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Abstract

This paper reviews research into the potential environmental impacts of leakage from
geological storage of CO, since the publication of the IPCC Special Report on Carbon Dioxide
Capture and Storage in 2005. Possible impacts are considered on onshore (including
drinking water aquifers) and offshore ecosystems. The review does not consider direct
impacts on man or other land animals from elevated atmospheric CO, levels. Improvements
in our understanding of the potential impacts have come directly from CO, storage research
but have also benefitted from studies of ocean acidification and other impacts on aquifers
and onshore near surface ecosystems. Research has included observations at natural CO,
sites, laboratory and field experiments and modelling. Studies to date suggest that the
impacts from many lower level fault- or well-related leakage scenarios are likely to be
limited spatially and temporarily and recovery may be rapid. The effects are often
ameliorated by mixing and dispersion of the leakage and by buffering and other reactions;
potentially harmful elements have rarely breached drinking water guidelines. Larger
releases, with potentially higher impact, would be possible from open wells or major
pipeline leaks but these are of lower probability and should be easier and quicker to detect
and remediate.

1. Introduction

One of the concerns regarding Carbon Capture and Storage (CCS) is that CO, might leak out
of the storage reservoir towards the ground surface, with possible adverse impacts on
underground drinking water supplies or ecosystems either onshore or offshore.
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The IPCC Special Report on Carbon Dioxide Capture and Storage (IPCC., 2005) concluded
that, with appropriate controls in place, ‘the local health, safety and environment risks of
geological storage would be comparable to the risks of current activities such as natural gas
storage, EOR, and deep underground disposal of acid gas’. They envisaged two possible
leakage scenarios that might give rise to environmental impacts: (1) abrupt leakage, through
injection well failure or leakage up an abandoned well, and (2) gradual leakage, through
undetected faults, fractures or wells. These remain the two most likely leakage scenarios
(e.g. Paulley et al., 2013; RISCS, 2014).

In terms of possible onshore environmental impacts, the IPCC considered that elevated CO,
concentrations in the shallow subsurface could include lethal effects on plants and subsoil
animals and the contamination of groundwater, while high fluxes in conjunction with stable
atmospheric conditions could lead to local high CO, concentrations in the air that could
harm animals or people. However, the IPCC report said little about offshore impacts of CCS,
dealing more with the possible impacts of ocean storage of CO,, which is currently excluded
from consideration under both the London Protocol/Convention and the Convention for the
protection of the marine environment of the North-East Atlantic (OSPAR). A significant
proportion of storage capacity is offshore, particularly in Europe (Geocapacity, 2009).

With regard to soil, the impacts could be the result of increased CO, and/or the
displacement of oxygen by CO,. The IPCC recognised that high quality baseline data would
be needed to detect low rates of leakage. The IPCC 2005 report mentioned effects on
microbes at depth but said little about soil microbes. With regard to plants it stated that:
‘While elevated CO, concentrations in ambient air can accelerate plant growth, such
fertilization will generally be overwhelmed by the detrimental effects of elevated CO; in
soils, because CO; fluxes large enough to significantly increase concentrations in the free air
will typically be associated with much higher CO, concentrations in soils’. ‘The effects of
elevated CO, concentrations would be mediated by several factors: the type and density of
vegetation; the exposure to other environmental stresses; the prevailing environmental
conditions like wind speed and rainfall; the presence of low-lying areas; and the density of
nearby animal populations’. The most obvious characteristic of long-term elevated CO,
zones at the surface is the lack of vegetation; ‘New CO; releases into vegetated areas cause
noticeable die-off. In those areas where significant impacts to vegetation have occurred,
CO, makes up about 20-95% of the soil gas, whereas normal soil gas usually contains about
0.2-4% CO,. Carbon dioxide concentrations above 5% may be dangerous for vegetation and
as concentration approach 20%, CO, becomes phytotoxic’.

According to the IPCC report, groundwater impacts could be directly from CO, or indirectly
through displaced brine as a result of pressure increases attendant on CO; injection. If CO,
were to leak into an overlying potable aquifer it would dissolve into the water to form
carbonic acid, which in turn could react with the aquifer mineral phases and potentially
mobilize in situ (toxic) metals, such as Pb or As, SO,> or Cl". Instead if brine associated with



the storage reservoir were to migrate into an aquifer it may increase the groundwater’s
salinity or add toxic elements that may otherwise exist in low concentrations in the aquifer
mineral phases. Although it was known that plume migration and element mobility in either
case will be a complex function of interacting chemical reactions (adsorption-desorption,
dissolution-precipitation) and site specific characteristics (e.g., aquifer mineralogy,
groundwater versus leakage flow rates, redox conditions) that could greatly influence any
potential impact, almost no research focussed on these issues had been published when the
IPCC report was originally written.

Gaps that were recognised in the IPCC report included:
e The temporal variability and spatial distribution of leaks that might arise from
inadequate storage sites.
e Microbial impacts in the deep subsurface.
e Environmental impact of CO, on the marine seafloor.
e Methods to conduct end-to-end quantitative assessment of risks to human health
and the local environment.

They considered that research was required on:

e Further knowledge of the history of natural accumulations of CO..

e Effective and demonstrated protocols for achieving desirable storage duration and
local safety.

There have been quite significant developments in research into potential environmental
effects of leakage from CO, storage since the IPCC report in 2005. Onshore impacts have
been studied in the last 10 years through a wide range of projects. Experimental injection
sites have been set up to study both soil/plant/microbial and aquifer impacts on four
continents from depths of less than a metre to several hundred metres. Research has also
continued on natural CO, release sites and laboratory experiments have been conducted to
assess effects under more closely controlled conditions with modelling to further
understanding. Research into potential near surface (essentially soil) impacts of CO, leakage
is described further in section 2, while drinking water aquifer impacts are considered in
section 3. The lack of studies of seafloor impacts has been addressed through a number of
recent projects, especially in Europe and Japan, including the world’s first offshore injection
experiment off the coast of Scotland for the QICS project. Mesocosm experiments have
considered offshore impacts on individual species, whole communities and ecosystem level
processes at a variety of scales and observations have been made at offshore natural CO,
sites. Experiments have also been conducted in situ through the use of benthic chamber
lander systems. These developments are addressed in Section 4.

Effects on man and other terrestrial animals directly from atmospheric CO, are well
understood and have not been a major focus of research by the CO, storage community.
There have, however, been some studies into fatalities from the large number of natural



CO, occurrences in Italy, which concluded that the risk of accidental death from 286
documented seepage sites was significantly lower than many socially accepted risks
(Roberts et al., 2011). Their modelling suggested that seepage from storage would be less
than that of the natural seeps. This aspect of impacts work will not be considered further
here, as we concentrate on impacts to other parts of the ecosystem.

CCS regulations have developed significantly since 2005 (Dixon et al., 2015). Legislation to
allow sub-seabed storage has been enshrined in the London Protocol and Convention.
Offshore storage requirements have been produced for the NE Atlantic through OSPAR
(Dixon et al., 2009; OSPAR, 2007) and much of the OSPAR regulations taken forward into the
EU Directive on geological storage of CO, (European Union, 2009), which also covers
onshore storage. Regulation has also been developed outside Europe, most notably in the
US, Canada, Australia, and Japan. Of particular relevance to this account are the
requirements for CO, injection Class VI wells in the USA (United States Environmental
Protection Agency, 2012), as these set out to protect underground sources of drinking
water.

OSPAR requires characterisation of site specific risks to the marine environment and
collection of baseline data for monitoring. The site operator must consider the risk of
adverse impacts and assess possible effects of leakage on the marine ecosystem, including
human health and impacts on legitimate users of the marine environment. Site selection
should consider the risk of adverse impacts on sensitive, or endangered, habitats and
species and natural resources. This includes possible effects from the CO, itself, impurities
within the injected CO, and any fluids that might be displaced as a result of CO, injection.
Monitoring should be linked to the risk assessment and ‘impact hypothesis’ which includes
evaluation of potential ecosystem impacts.

OSPAR (2007) also recognised the need for further research into the effects of CO, on
marine ecosystems to consider more species at different life stages, and include microbial
communities, experimental field studies and models.

Similarly, marine environmental protection is enshrined in Japanese legislation through an
amendment to the marine pollution prevention act (Carbon Dioxide Capture and Storage
(CCS) Study Group, 2009) based on the London Protocol. Guidance on the safe operation of
a demonstration storage site includes a consideration of the potential environmental
impacts (both onshore and offshore) and collection of baseline data against which to
compare monitoring results gathered during CO, injection. Storage must not harm the
conservation of the marine environment and the pollution status of the site must be
monitored. Baseline environmental surveys have been carried out at the Tomakomai CCS
demonstration site (Tanaka et al., 2014). Offshore regulations in Australia also follow the
London Protocol and require a plan that demonstrates that environmental impacts and risks
will be at an acceptable level (Office of Parliamentary Counsel, 2014). The Australian state of
Victoria is the only one to currently have both onshore and offshore regulations and storage



there must not cause significant risk to the environment or human health (State of Victoria,
2008, 2010).

Whilst the requirement for Environmental Impact Assessments for CCS projects is still under
review in the Canadian province of Alberta, the federal government did require them for
projects such as QUEST (Alberta Energy, 2013).

The EU Directive on CCS (European Union, 2009) and associated guidance reflects the
OSPAR FRAM requirements but also includes onshore concerns. Thus one of the purposes of
monitoring is for ‘detecting significant adverse effects for the surrounding environment,
including in particular on drinking water, for human populations, or for users of the
surrounding biosphere’. Guidance following the Directive (European Commission, 2011)
states that ‘valuable natural resources in proximity to a potential storage complex have to
be documented and the risk linked to the exposure to CO, leakage has to be carefully
assessed’. This includes consideration of conservation areas, and potable groundwaters in
risk assessments and environmental monitoring as part of baseline surveys.

US regulation, in particular the designation of Class VI wells for CO, injection for storage
(United States Environmental Protection Agency, 2012) stresses the protection of
underground sources of drinking water (USDWs). It requires the monitoring of water quality
in an agreed network of monitoring wells, above the primary seal on the reservoir, within a
defined area of review that is likely to expand as injection proceeds and the CO, plume
spreads in the subsurface. Water quality has to be tested prior to, during and after injection,
initially on a quarterly basis. QA/QC requirements are stipulated as are a minimum list of
likely analytes with options to broaden that list. Data are to be reported every 6 months.
The regulators may also insist on surface gas monitoring to further evaluate any threat to
USDWs or to meet additional state or federal legislation.

Any environmental impacts from CCS need to be considered relative to the benefits to be
gained from reduction in greenhouse gas emissions and in the context of the natural
variability of the ecosystem and other environmental impacts, including the effects of global
climate change (e.g. changing weather patterns, increased frequency of extreme events,
ocean acidification), industrial contamination and trawling.

Something of a geographical split has developed between onshore and offshore storage. In
North America emphasis is on onshore projects (e.g. Decatur, Cranfield, Weyburn, Quest,
Agquistore), although offshore sites are being considered off the Gulf Coast. In contrast, most
current (Sleipner, Snghvit) and proposed (ROAD, Peterhead-Goldeneye and White Rose)
sites in Europe are offshore, where much of the storage capacity is (e.g. Geocapacity, 2009),
and onshore projects have faltered, largely because of public opposition. The Tomakomai
project in Japan involves offshore storage. Developments in China (e.g. Shenhua Ordos) and
Australia (Gorgon, Otway) are, so far, onshore whilst proposals in South Korea may involve a
mix of onshore and offshore sites.



Comparatively little quantified data has been published describing possible leakage
scenarios due to high degrees of uncertainty, especially in predicting geological flow
mechanisms and rates. Whilst there are some analogues in the form of well blowouts, when
drilling into natural CO, occurrences, that may provide upper limits, there is no direct
evidence of significant leakage from existing storage sites. Given this, risk assessments have
tended to investigate a range of theoretical leakage scenarios, from a minimum
inconsequential leak up to a plausible maximum, invoking operational or geological
mechanisms of leakage in each case. Upper limits to possible leakage from transportation
can be easily constrained as pipeline flow rates are known (e.g., ~3 ktonnes d at the
Sleipner field), and it is assumed that such leaks could be stemmed in a matter of hours to
days. Leakage from pipelines at lower rates, and from storage, is more speculative, with
fluxes estimated, for example, from <1 tonne d? to 10-100 tonnes d?, to >1 ktonne d*
being associated with seepage, abandoned wells/geological discontinuities and catastrophic
operational failures, respectively (IEA, 2008; Klusman, 2003). A similarly wide range of
possible flux rates was also felt to be plausible by a more recent assessment (Paulley et al.,
2012) with areas of emission varying from the diameter of a borehole (e.g. 0.03 m?) up to
several point sources in an area of 50,000 m? for fault-related leakage.

2. Onshore near surface ecosystem impacts

2.1. Introduction

There has been significant research into potential near surface onshore impacts of CO,
leakage from geological storage since 2005, with projects in North and South America,
Europe and Australia in particular. Laboratory experiments allow conditions to be most
closely controlled and have permitted effects from both higher CO, and lower O, to be
investigated. Field injection tests allow injection rates to be controlled but introduce real
world complexity. However, the impact of CO, may be overlain to varying degrees by the
effects of other sources of stress such as weather conditions or a variety of pests.
Observations at natural CO, sites may be even closer to the conditions of CO, leakage from
deep storage but the ecosystem has usually adapted over long periods to the presence of
the gas. Modelling has helped to extend the findings of the above research and to
understand processes.

A parallel stream of research on the effects of rising atmospheric CO, concentrations on
ecosystems appears to have little relevance to the potential impacts of the leakage being
considered here. Recent studies (e.g. RISCS , 2014) appear to back up the conclusion of the
IPCC report that increased concentrations of CO, in the soil have a much more marked
effect than any associated, and transitory, slight rises in atmospheric levels.

2.2. Baselines for near surface gases



A good understanding of natural/background variability in soil gas, flux and atmospheric
gases is important for identifying anomalous values of gas concentration or flux that might
be indicative of seepage, as part of near surface monitoring above CO, storage sites (Jenkins
et al., 2015). The baseline range of these parameters is also useful for identifying areas with
enhanced CO; levels that might be impacted as a result of leakage. Work at natural and
experimental CO, release sites suggests that soil gas concentrations are more important in
terms of ecosystem impacts than flux rates (which can vary quite considerably for a given
concentration) or atmospheric gas contents (where dilution and dispersion is generally rapid
except in unusually calm conditions).

There have been a number of studies of onshore baseline gas concentrations and fluxes.
These broadly fall into two categories; extensive measurements at different times, which
provide spatial and seasonal variability, and continuous measurements at a relatively small
number of sites that give more detailed information on temporal variability. Extensive
measurements at Weyburn over a large grid of points that were repeated from 2001-2005
and again in 2011 are an example of extensive datasets (Beaubien et al., 2013). They show
the seasonal and year on year variability linked to temperature and rainfall/soil moisture
levels, which can be quite marked. For example, some extreme summer CO, soil gas
concentrations exceeded 10%, with highest recorded values nearing 20% (Trium Inc. and
Chemistry Matters, 2011). The importance of comparing CO, values against those of O, and
N, to determine the origin of anomalies has also been highlighted at this site (Beaubien et
al.,, 2013; Romanak et al.,, 2014). In other examples a mix of spatial and continuous
monitoring was carried out for the Sitechar project in Denmark and the Sulcis site in Sardinia
(Beaubien et al., 2014b). These also showed seasonal and land-use variations, with soil gas
concentrations above 5% at both sites and over 10% at Sulcis. Whilst soil gas concentrations
rise in response to increased biological activity at higher temperatures, higher CO, values
can also result from the retention of gas below low permeability soils. High summer CO,
concentrations, reaching 12-16% were also seen in soil gas surveys at the Lacg-Rousse pilot
site in France (Lescanne et al., 2011). Baseline maxima of up to around 10% were measured
in extensive coverage at the Otway site in Australia (Schacht and Jenkins, 2014). All the
above concentrations were measured at 80-100 cm depth.

Low baseline fluxes from 5 to 13 g m™ d™* were recorded by extensive surveys at Hontomin
in northern Spain (Elio et al., 2013) with few outliers. There was greater variability at other
sites with a summer range of around 5-55 g m?2d?!at Lacg-Rousse (Lescanne et al., 2011)
and much higher July 2001 results from Weyburn (median=48g¢g m2d7;
max = 468 g m™> d ') although autumn values at this site were all below 60 g m? d*
(Beaubien et al., 2013).

Long term continuous soil gas monitoring was carried out at the Altmark site in Germany by
Schiémer et al (2013) who reviewed its use for CCS projects. They recommended at least 3
years of data to define the baseline. Continuous monitoring below the biologically active soil



zone (50 cm in their case) was recommended to increase sensitivity to leakage detection
(Schlémer et al., 2014) but measurements within the near surface zone are required to
assess potential ecosystem impacts.

Ecosystem baselines have been evaluated in different climates at a few CO, storage sites, at
natural sites where there has been long-term exposure to elevated CO, soil gas
concentrations, and at experimental injection sites. Baselines have included both botanical
surveys and various aspects of microbiology as well as acquisition of hyperspectral remote
sensing data prior to CO; injection at experimental sites, such as ASGARD. Faunal and floral
diversity was evaluated prior to injection at Lacg-Rousse and will be re-surveyed annually
(Lescanne et al., 2011). Floral and microbiological baseline studies were undertaken at In
Salah (Jones et al.,, 2011). The Quest project in Canada includes ecosystem studies and
hyperspectral image analysis in its monitoring plan (Shell Canada Limited, 2010). The
requirement for ecosystem baselines is likely to become a part of environmental impact
assessments as new projects have to meet the requirements of legislation such as the EU
Directive (European Union, 2009).

2.3. Research developments since 2005

2.3.1. Introduction

Since the IPCC report appeared in 2005, research on near surface onshore impacts of CO,
seepage has moved forward using observations from natural CO, seepage systems, shallow
CO; injection tests (which were deliberately designed to produce leakage through the soil
and into the atmosphere), and modelling.

Shallow injection tests assessing potential impacts of CO, on near surface ecosystems have
been carried out at the following sites, which are described in more detail below: ZERT in
Montana, USA, ASGARD in the UK, CO, Field Lab and Grimsrud Farm in Norway, PISCO2 in
Spain, Ginninderra in Australia and Ressacada Farm in Brazil.

Many of these sites were set up primarily to test monitoring techniques rather than to study
impacts per se, but impacts were monitored so results relevant to this review were
generated. The converse is also true, in that sites where the main objective was the study of
ecosystem impacts had, of necessity, to monitor the concentration and flux of CO, and
other parameters to assess the impacts and so have helped to develop monitoring methods
(Jenkins et al., 2015).

2.3.2. Injection test sites

Controlled injection of CO, has been undertaken at the ASGARD field site near Nottingham,
England periodically from March 2006 until 2013. The site comprises a number of
experimental plots measuring 2.5 m x 2.5 m with injection at 60 cm depth into half of the



plots, the remainder being controls (West et al., 2015; West et al., 2009). The impacts of
elevated CO, on pasture, grass/clover and a number of other crops including barley, wheat,
oil seed rape and beetroot, grown in the sandy clay loam soil resting on clay and marl, were
examined. Detailed botanical, microbiological, soil gas concentration, and flux
measurements were performed plus limited mineralogical and geochemical analyses. (Smith
et al., 2013; West et al., 2015; West et al., 2009).

In brief, when the CO, injection rate was higher for early experiments at ASGARD (3 L min™*
at 60 cm depth into each gassed plot) there was a rapid response in plant health with a
change in leaf colour in a variety of plants within 7-10 days (Smith et al., 2013; West et al.,
2009). After 2 years of intermittent gassing on pasture plots, with an injection rate of 3 L
min™ from May 2006 until April 2007 and 1 L min™ thereafter into each gassed plot
(resulting in CO, soil gas concentrations between 10 - 30% at 20 cm depth across the
transect), monocotyledonous plants (grasses) increased proportionately compared to
dicotyledenous (broad-leaved) species on the gassed plots when compared to the controls..
When the injection rate into each gassed plot was 1 L min™ at 60 cm depth over a 24 month
gassing period from June 2010, with a resulting overall soil gas concentration below 10%,
this increase in monocotyledonous plants across the gassed pasture plots was not observed.

In addition to visible signs of plant stress at ASGARD, such as leaf discolouration and
reduced stem height, biomass at harvest was lower in most crops grown in high CO,
conditions (>10% at 30 cm) (Lake et al., 2013; RISCS, 2014; Smith et al., 2013). Autumn sown
barley showed a decrease in yield of over 50%. Beetroot leaf weight showed a similar
reduction but there was no apparent effect on the biomass of beets. This may reflect the
shallow rooting of this plant, which thus avoids exposure to the higher CO, concentrations
(and lower O;) at greater depth. Whilst autumn sown oilseed rape showed no visual damage
(unlike spring sown rape) the yield of seed pods deceased by 34%. This suggests that
although the vegetative stage of autumn oilseed rape was not affected by the increased CO,
the transfer of resources to the reproductive stage was disrupted leading to a decrease in
yield. Grass/clover plots showed a reduction in biomass of both species but with clover
more greatly affected and, unlike the grass, showing no signs of recovery after injection
ceased. The clover may in part have been affected by very wet weather in 2012. However,
there is some evidence that leguminous plants like clover may be more strongly affected by
high soil CO, due to the high oxygen requirement of the symbiotic bacteria in their root
nodules (Lake et al., 2013). Leaf discolouration is commensurate with nutrient deficiency
and this may result from reductions in root biomass preventing the plant from accessing
sufficient nutrients and water.

The microbiological studies in the pasture plots at ASGARD showed that after 16 weeks of
CO; injectionat 3L min™ and where soil gas concentrations reached 90% at 70 cm depth, no
active biomass was detected. However, after 2 years of CO, injection at 1 L min?, results
were not as clear. There was no obvious impact on total numbers or biomass where CO, soil



gas concentrations were below 10% at 20 cm (Smith et al., 2013). However, where soil gas
concentrations vary between 20 - 40% at 20 — 50 cm depth, total numbers of organisms
appeared to increase when compared to those observed in the ungassed plot. 16S rRNA
analyses of Bacteria and Archaea using quantitative real time PCR showed variations in
microbial copy numbers over time and depth. However, these variations may not result
from CO, injection but from changes in weather conditions; the experimental period
included spells of unusually wet and dry weather.

An experimental injection site was set up by Bioforsk at Grimsrud Farm in Norway as part of
the RISCS project (Moni and Rasse, 2013a; Moni and Rasse, 2014). A longitudinal CO,
gradient was produced by injection of CO, at a rate of 2 L min™* at one end of 6 x 3 m plots at
a depth of 85 cm in a permeable sand layer beneath 40 cm of top silt loam topsoil. The
simulated CO, seepage caused visible discolouration of oats with reduced plant growth,
chlorophyll and canopy water contents at the end of the growing season. This appeared to
be caused only by changes in soil gas concentration (increased CO, and/or reduced O,) as
there was almost no change in atmospheric CO, concentrations. The changes in the plants
were spatially limited such that estimated losses in yield for a typical European field were
below 1% and less significant than those due to other common factors such as waterlogging.
The impact on the oats could be readily detected using hyperspectral indices such as
NDVI705 and the Agricultural Stress Index.

Laboratory experiments to investigate the effect of enhanced soil gas CO, and reduced O,
on oats and wheat grown in sandy soil were also undertaken by Bioforsk for RISCS (Moni
and Rasse, 2013b; RISCS, 2014). Higher CO, affected the development of oats; this could be
mitigated at 40% CO, by maintaining normal O, levels but this was not effective at higher
CO, concentrations (79%). This suggests that both CO, toxicity and anoxia have an effect.
However, repeat experiments with better established oats and wheat plants did not show
any effects at up to 40% CO,, suggesting that the size and/or physiological condition of the
plants may also influence the impact.

The PISCO2 site in northern Spain was set up to examine microbiological, botanical, and
biogeochemical effects of CO, seepage in a range of different soil types from across Spain.
During the first year of operation the CO, injected at 0.33 and 0.66 L min™, into sandy loam
and loam soils, had no significant effects on the soil microbial communities (Montiel and
Mantecén, 2013; Fernandez-Montiel et al., 2015).

The ZERT site in Montana was established primarily to develop and test near surface
monitoring methods using shallow release of CO, from 2 m depth through an undisturbed
organic silt and clay soil with some sand resting on sandy gravel (e.g. Spangler et al., 2010).
However, parts of the work conducted there are relevant to environmental impacts. They
include a study of plant stress effects, the use of CO,-induced plant stress observed by
hyperspectral imagery, and microbiological studies over several seasons of injection.
Sharma et al (2014) examined the physiological responses of dandelion and orchard grass to



high CO, concentrations in the soil. Circular areas of leaf senescence and dieback formed
after one to two weeks of injection that were about 3 m in diameter. These areas showed
more pronounced effects on dandelion leaves than those of orchard grass with clear
reduction in chlorophyll levels and assumed increase in pigments such as anthocyanins,
causing purple colouration of dandelion leaves, and increased stomatal conductance. The
greater tolerance of orchard grass to CO, seen at ZERT is paralleled in studies at other
injection and natural sites. Changes in reflectance spectra were observed within 1 m
perpendicular from the 100 m long CO, release pipe in alfalfa (Keith et al., 2009). A wider
area of plant stress of up to 2.5 m from the injection well was observed after 10 days of
injection of 300 kg d™* (~100 L min™ spread over 6 packered zones) of CO, in the following
year and comparison with soil CO, measurements suggested a lower limit for plant stress of
4-8% at 30 cm depth (Male et al., 2010). Plant stress was indicated by visible purple leaf
discolouration and changes in several indices indicating reduction in both chlorophyll A and
B (Lakkaraju et al.,, 2010). Bellante et al (2013) developed a red edge index from
hyperspectral data at ZERT that was significantly lower for CO,-stressed vegetation than
healthy vegetation. This appeared to show a progressive response to CO; injection and
subsequent recovery once injection ceased. A low cost multispectral system was also able to
identify plant stress but as with the hyperspectral work, unable to unequivocally define the
cause of that stress (Hogan et al., 2012a; Hogan et al., 2012b). Enhanced CO; in the soil at
ZERT also affected both the abundance and activity of microbial functional groups mediating
C and N transformations (Morales and Holben, 2013). However, these effects were not
equal suggesting there may be two separate mechanisms. The results differ in some
respects from studies on elevated atmospheric CO, suggesting that microbial response to
subsurface seepage may be different.

The Ginninderra site in Australia is based on the ZERT model, with releases over a 100 m
length of horizontal pipe at about 2 m depth into undisturbed soil, and mainly focusses on
monitoring methods. Early experiments involved injection of 144 and 218 kg d™* (~50 L min™
and ~75 L min") of CO, through 6 packered intervals. Hyperspectral investigation of plant
stress was combined with microbial soil genomics at Ginninderra (Feitz et al., 2014a). Crops
of field pea, wheat and barley were visibly impacted by the CO, with patches of yellowing or
drying out of the plants. Leaves of oil seed rape (Canola) turned purple. These impacts were
restricted to circular areas 5-15 m in diameter. Crops generally showed lower chlorophyll
contents and dried out as they matured and suffered from lack of water, but this was more
pronounced where CO, fluxes were higher. Changes in chlorophyll C were one of the
strongest indicators of CO, impact. It was difficult to distinguish the effects of drought and
CO; in hyperspectral data for mature field pea and wheat. However, preliminary analysis
does suggest some promise for vegetation indices such as the chlorophyll normalized
difference index, although this does not appear to be specific for CO,-induced stress so
there remains a danger of false positives. Microbial surveys showed a clear switch in the



community, post-injection in higher CO, areas, towards anaerobic respiration. This could be
distinguished statistically from larger seasonal shifts.

The Ressacada Farm site in Brazil became operational more recently, with injection at 3 m
depth from a vertical borehole, and includes work on plant stress (Moreira et al., 2014a;
2014b) but full initial results have yet to be published.

2.3.3. Natural systems

Hyperspectral assessment of plant stress using airborne data has been undertaken at
natural CO, seepage sites including Latera in Italy and Laacher See in Germany (Bateson et
al., 2008; Govindan et al., 2013; Govindan et al., 2011). These studies build on previous work
such as that summarised by Pickles and Cover (2005) from the CO, Capture Project, which
was cited in the IPCC report.

Studies at natural CO, seepage sites have also included direct assessment of impacts on
plants and microbes, for example those carried out at Latera (Beaubien et al., 2008;
Oppermann et al., 2010), Laacher See (Frerichs et al., 2013; Kriiger et al., 2011; Kriger et al.,
2009) and Florina (Ziogou et al., 2013). The results of these studies are detailed in West et al
(In submission). Each of these sites has yielded considerable information on the impacts of
elevated CO, soil gas concentrations and soil CO, surface flux rates on a range of
parameters, including botany and soil microbiology, for pasture in different European
climatic conditions. It has to be borne in mind, however, that the ecosystem at these sites
has had time to adapt to higher CO, conditions over many years and thus shorter term
responses to leaking CO, may not be the same. Results from botanical research have shown
that where pasture plants have been exposed to high CO, soil gas concentrations for many
years, species-specific responses to high CO, concentrations will be dependent on a number
of factors, including temporal and spatial soil CO, concentration and flux patterns. Site
specific plant ‘bioindicators’ were observed for concentrations >235% at 15-20 cm depth,
such as Polygonum arenastrum Boreau at Laacher See and P. aviculare L. at Florina.
Polygonum spp can be regarded as a bioindicator of elevated CO, concentrations at both
sites. At Latera, the acid tolerant grass, A. capillaris L. can also be regarded as a bioindicator
tolerating between 15-40% CO, concentrations at 10 cm depth (Beaubien et al., 2008). At
Florina and Latera, monocotyledonous plants (grasses) become increasingly dominant
where soil gas CO, concentrations at 20 cm depth exceed 10% up to a maximum of ~30-
40%. Interestingly, this was also observed at ASGARD after the pasture plot had been
exposed to elevated CO, soil gas concentrations between 10-30% for 24 months. Similar
changes in grass coverage have also been observed at the ZERT controlled CO, injection site
in grassland in Montana, USA (Zhou et al., 2013). The results from all the sites suggest that a
concentration of between 10 - 15% CO, soil gas at 20 cm depth, which is within the root
zone, is an important threshold level for observing changes in plant coverage. Flux rates will
also be important because these influence soil gas concentrations. However, flux rates are



also influenced by other factors, such as soil moisture content, atmospheric pressure and
wind speed so determining a threshold will be dependent on site characteristics.
Additionally, it must be recognised that plants are not exposed to constant fluxes and/or
concentrations of CO, so these values can only be regarded as indicative and must be
considered in the context of a particular site.

Microbiological analyses at all the natural CO, vent sites suggest significant changes in the
soil microbial community caused by high CO, levels in the soil gas (West et al., In
submission). For example, there is a shift in the microbial community composition in the
vent cores towards anaerobic and acid tolerant microorganisms as well as an ecosystem
adaption to the CO; induced soil biogeochemistry. These differences may be related to long-
term adaptation of the microbial ecosystems at the natural sites because they are not
observed at ASGARD. Observations at ASGARD are unclear but may suggest that when CO,
soil gas concentrations are <10%, there is little impact on the microbial ecosystem. Soil gas
concentrations between 15 and 40% may enhance biomass and total numbers of organisms
(as seen at Latera and Laacher See). Taken together, the results from all the sites suggest
that microbiological changes can be observed when CO, soil gas concentrations are
between 15 — 40%. However, it is not clear how rapidly these changes occur. A relatively
short exposure (approximately 24 months) appears to have had little immediate impact on
the microbial community composition at ASGARD. Such changes are, however, observed at
Latera, Laacher See, and Florina where exposure to elevated CO, concentrations has been
taking place over much longer periods.

Soil microbial studies have also been carried out at the Campo de Calatrava natural CO; site
in Spain (Saenz de Miera et al., 2014). As CO, flux increases the relative abundance of
Chloroflexi increased, whereas the relative abundance of Acidobacteria, Verrucomicrobia
and Gemmatiomonadetes phyla decreases. Within the Chloroflexi phylum, operational
taxonomic units related to the genera Thermogemmatispora, Ktedonobacter and
Thermomicrobium dominated bacterial communities sampled in sites with the highest CO,
flux. It should be noted that the highest fluxes quoted at this site are over 500 kg m?2d*and
therefore 2 orders of magnitude higher than those at other studied sites and may not be
representative of likely seepage rates from CO, storage.

Diversity of the edaphic protozoan communities also decreased with increasing CO, flux at
this site (Gabilondo and Bécares, 2014). A shift from Polyhymenophorea (Spirotrichea and
Heterotrichea) to Colpodea dominated communities and a decrease in the percentage of
rapacious ciliates was observed as CO; increased

2.3.4. Modelling

Models have been developed to represent and improve our understanding of the soil/plant
system at Latera (Maul et al., 2009) and the ASGARD and Grimsrud Farm sites (Bond et al.,



2013). These show that, at moderate CO, levels, there can be fertilisation effects as well as
the more negative impacts at higher gas concentrations. These are apparent at natural and
experimental CO, sites as zones of more lush growth surrounding the main areas of gas
venting. The system-level models have been able to reproduce the main features of the
sites, suggesting that the key features are understood. The ASGARD and Grimsrud models
could only mimic the actual patterns of CO, flux if flow was channelled along narrow
pathways rather than diffusely through the bulk of the soil (RISCS, 2014). This suggests that
flow is concentrated in more permeable zones such as fractures, which were seen at the
experimental sites after dry periods. This may help explain the observed restriction of
impacts to small patches of ground whilst most of the wider area containing the vents does
not experience higher CO, concentrations.

2.4. Implications for monitoring

It has been observed at both natural and experimental injection sites that impacts appear to
be spatially restricted, generally metres to tens of metres in scale. This means that leakage
monitoring has to be capable of detecting such small targets, whilst the surface footprint of
areas above CO, storage sites is large (up to hundreds of kmz) (Feitz et al., 2014b; RISCS,
2014).

Plant stress effects occur relatively rapidly (in days to a few weeks) so there is the potential
to see leaks fairly quickly, but not immediately as, for example, might be the case for
pressure monitoring. Some plants are also potential ‘bioindicators’ of elevated gas
concentrations so could, in themselves, be considered as a possible monitoring tool.

It would not be possible to use plant-stress monitoring at sites with little vegetation (e.g. In
Salah). Leaks might be picked up through changes in microbial activity or community
structure but simple, cheap and rapid analytical tools would have to be developed to make
this into an effective tool (Noble et al., 2012). Monitoring of the microbial populations and
community make-up could also provide early indications of increasing CO, impacts on soil
ecosystems and may also indicate where there has been long-term undetected exposure.

There are a number of drawbacks to using hyperspectral or multispectral remote sensing
techniques for seepage monitoring. They may only work well in certain seasons with, for
example, winter snow cover or lack of crop cover after harvest or tillage limiting its
usefulness to the main growing season. Also effects such as seasonal drought may cause, for
example, summer dieback in areas with hot dry summers. Arable areas may also be more
difficult to monitor with crop rotation adding additional complicating factors for
interpretation of stress.

The amount and duration of baseline near surface gas data required remains a point of
debate. Some authors argue that baseline gas monitoring may not be necessary at all
because the origin of any gas can be identified (e.g. Romanak et al., 2012a), whilst others



suggest at least three years of data are needed (Schlomer et al., 2013). Baselines are
important to help define trigger levels where investigation of the source of CO, is needed,
and may represent a useful tool for site assessment and public awareness at proposed sites
(Beaubien et al., 2014b). Legislation requires environmental impacts are assessed and that
suggest the acquisition of baseline data of this type will be needed in most jurisdictions. The
precise extent of baselines is likely to be site specific.

2.5. Significant gaps requiring further research

Whilst there have been a number of detailed baseline studies of CO, in soil gas, fluxes from
the soil to the atmosphere and near ground atmospheric concentrations, these have
covered only a limited range of environments. Further research is needed to broaden this
range and to help define possible anomalous (threshold) values that might indicate leakage
in wide area monitoring of storage sites.

To be really effective hyperspectral or multispectral remote sensing approaches to monitor
plant stress and detect possible leakage need a better success rate with fewer false
positives. It would be advantageous if indices could be developed that are unique to CO,-
induced stress and not affected by other stressors. The use of ground-based or unmanned
aerial vehicles (UAVs) for cheaper more frequent surveys of plant stress could be
investigated.

Impacts need to be studied on a wider range of plant types and geographical settings and
compared in a more quantitative way to the effects of other stresses, such as drought,
waterlogging or pests and diseases, in order to put the impacts of CO; in a broader context.

This could involve laboratory work, field injection tests and further work on natural CO,
seepage sites. There have been virtually no studies on the effects of impurities in the CO,,
such as CHg4, H,S and SO, although these do occur at some natural CO; sites. Field injection
experiments have not yet explored to any great extent the impact of the timing of leakage
i.e. in what season the event occurs. However, the so far limited evidence suggests that this
could be significant. Some natural sites (e.g. those associated with faulting in sedimentary
basin settings) are much better analogues of leakage and could provide valuable data to
help constrain the likely nature (flux and area) of leakage from storage through faults or
fractures as well as giving information on impacts.

Modelling has provided useful insights into processes such as transport through the soil and
is now able to link transport and plant impact modules. However, simulations of near
surface leakage and its impacts onshore has so far been limited and there is scope for
further study not only of the soil-plant system, but also of the circumstances leading to, and
likelihood of, possible build ups of CO, in the atmosphere that could affect man and other
animals.



Further research is needed on microbial responses to higher CO, to supplement the
relatively small number of studies to date and, if possible, to identify changes specific to CO,
rather than other factors.

The dependence of impacts on soil type has yet to be explored and the mobilisation of
potentially harmful elements, whilst a focus of research on aquifers, has not been
considered for soils. There needs to be more work on the recovery of different ecosystems
after seepage ceases including research on any long term effects on soil fertility (i.e. soil
quality and value, which are especially relevant for agriculture) and the need for
remediation or mitigation strategies, such as user of fertilisers or deep tilling.

3. Drinking water (aquifer) impacts

3.1. Introduction

Despite the fact that the potential risk to potable groundwater resources has often been
cited as one of the major concerns that the public has regarding large-scale CCS
deployment, very little focussed research had been conducted on this topic before 2005. In
fact, in the IPCC report (IPCC, 2005), the section dedicated to “Hazards to groundwater from
CO, leakage and brine displacement” consists of half a page of text and makes reference to
only one published article (Wang and Jaffe, 2004).

At that time the level of dedicated published research on chemical reactions and impacts
within the deep injection reservoir (e.g. Emberley et al., 2005) was much more advanced
than that for shallow aquifers, given the need to understand their influence on practical
issues like CO; injectivity and storage integrity. While some processes can be extrapolated
to shallow systems, the different physical characteristics of these two environments means
that this is limited. For example, a deep storage reservoir is characterised by high pressures
(which influence CO, solubility), multi-phase liquid components (particularly super critical
CO, but also hydrocarbons in EOR settings), and host water that is typically saline, whereas
shallow aquifers have higher groundwater flow rates, often have cooler temperatures
(which affect kinetics), can be chemically oxidising, and typically host very low salinity
waters.

In many cases research conducted in shallow environments for issues unrelated to CCS has
been found to be more appropriate, and thus such data was (and still is) used to help
predict potential impacts of CO, intrusion (e.g. Aiuppa et al., 2005). This has included
research into such diverse topics as, for example, acid rain, mine tailings waste, and regional
groundwater chemistry in volcanic / geothermal areas. While such “proxy studies” provide
invaluable data, various specific issues related directly to CO, and/or brine leakage from a
CCS storage reservoir are better addressed by targeted studies.



Since 2005 the situation has changed significantly, with a large amount of focussed CCS-
related groundwater research having taken place. This is illustrated in Figure 1, which shows
how scientific productivity in this area of research has increased dramatically over the last
five years, using laboratory and field experiments, natural analogue studies, and
geochemical modelling to address such issues as trace element release, natural attenuation
processes, plume dynamics, MMV (Monitoring, Measurement and Verification), and health
and economic risks.
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Figure 1. Summary of the number of peer-reviewed articles published over the last 10 years on the potential
impact of a CCS-CO, leak on potable groundwater resources, subdivided based on the principal focus of the
research.

Over this period three excellent review articles have also been published (Harvey et al.,
2012; Lemieux, 2011; Lions et al.,, 2014a). The following will build on these works by
summarizing the large number of new articles that have recently been published (Figure 1),
by addressing some topics that have received less focus in the past, and by using this 10™
anniversary since the publication of the IPCC report to outline possible knowledge gaps and
areas for future research.

3.2. Baselines: natural groundwater chemistry and natural variability of dissolved CO,

Edmunds and Shand (2009) define the natural baseline concentration of a substance in
groundwater as its range of concentrations derived entirely from natural, geological,
biological or atmospheric sources under conditions not perturbed by anthropogenic activity.
These values are often used to identify ‘anomalous’ concentrations relative to typical
values. When initial conditions may include some anthropogenic component the terms
‘background’ or ‘threshold’ are preferred. Precise determination of baseline or background
concentrations is needed to distinguish any water quality changes induced by CO;, and/or
brine leakage from deep CO, storage.

Groundwater is in equilibrium with dissolved and/or free-phase gases (e.g. CO,, O,) that are
naturally present (Appelo and Postma, 2005). The main sources of CO, in groundwater are
plant-root respiration and oxidation of modern organic carbon in the unsaturated zone
(especially the soil), oxidation of old organic carbon in the aquifer matrix, acid neutralization



reactions with carbonate minerals, and upward leakage of magmatic or petroleum-reservoir
CO..

Groundwater CO, partial pressures are typically ~10-100 times higher than atmospheric.
Groundwater CO, is not uniformly distributed, being most variable near the water table,
lowest at intermediate depth, and highest in deep aquifers where non-potable water is
typical (Coudrain-Ribstein et al., 1998; Macpherson, 2009). This results from thermodynamic
equilibrium between the gas and water that depends on the pressure and temperature
conditions of the system. For example, in deep systems, the dissolution of CO, in the
aqueous phase is notably enhanced due to higher pressures.

Vesper and Edenborn (2012) illustrate that a range of dissolved CO, concentrations occur in
different hydrochemical facies (e.g., coal mine discharge: 0.23-4.7 mM; carbonate waters:
0.30-1.4 mM; thermal-mineral waters: 0.31-10.6 mM). Higher CO, concentrations (> 20 mM)
have been reported for groundwater affected by experimental CO, leaks (e.g. Kharaka et al.,
2010), travertine depositing springs (Pentecost, 2005), coal mine drainage, mineral springs,
within faulted rocks (Keating et al., 2010), and volcano-associated springs.

Baseline surveys have to define natural variability as baseline chemistry of groundwaters
varies both spatially and temporally due to many complex factors, including climate, soil
type, geology and residence time, which control hydrochemical evolution. For example,
baseline groundwater studies in aquifers above active or proposed injection sites show a
very wide range of pH values, such as 6.6-7.5 at Otway, Australia (de Caritat et al., 2013),
5.4-7.5 above Cranfield, USA (Yang et al., 2013b), and 6.7-8.2 above Hontomin—Huermeces,
Spain (Nisi et al., 2013); other parameters, like Total Dissolved Solids (TDS) and electrical
conductivity (EC), vary as much if not more at these sites. Groundwater geochemistry is a
function of water-rock-gas reactions occurring along the flow path between the recharge
and discharge areas. Moreover, the chemistry of natural waters is mainly related to
chemical thermodynamics and to reaction mechanisms and rates. All these factors result in
a wide range of water chemistries associated with different lithologies (from carbonate-
poor siliclastics to carbonate dominant) and geochemical processes, such as water-gas
interaction, mineral dissolution/precipitation, redox reactions, ion exchange, and mixing.

Macpherson and Sophocleus (2004) noted that the chemistry of deep groundwater in
unconfined aquifers and water in confined aquifers is typically relatively stable in time at
any one location. But vertical stratification in groundwater chemistry exists, especially in
very shallow, unconfined aquifers where recharge water is chemically different from aquifer
water, and/or where strong redox zonation exists. Whilst the assumption is often made that
the water chemistry at any single location in an unconfined aquifer is virtually unchanging,
observations show that composite parameters (e.g. specific conductance) may change
significantly over relatively short time periods. For example, these authors demonstrated
that the water chemistry of a shallow, unconfined, floodplain aquifer in Kansas changed
significantly and in an oscillatory manner over two and a half years of monitoring. At this



site, periodic vertical chemical stratification in the water alternated with periods of chemical
homogeneity.

Macpherson et al. (2008) quantified the increasing alkalinity and dissolved CO; in a thin,
shallow limestone aquifer in a mid-continental temperate-climate setting. Their results
suggest that shallow groundwater, unaffected by urbanization or other changes in land use
or surface-water engineering, is associated with an increase in net chemical weathering
driven by increasing subsurface CO,. Consequently, the annual cycle and long-term increase
in atmospheric CO, is also observed in shallow groundwater CO,. Annually, natural pCO,
values range between around 10%° and 10 atm. Consequently, weathering is impacted
and the chemistry of groundwater oscillates annually with a range of approximately 0.7 pH
units, up to 1 mmol/L alkalinity, 0.15 mmol/L Ca, and 0.1 mmol/L Mg.

3.3. Range of potential Impacts (amplitude, spatial footprint)

Impact on an overlying groundwater resource could come about in two ways. First, by
leakage of a portion of the injected CO, into an overlying aquifer, resulting in acidification
and in situ chemical reactions that change water quality. Second, by the migration of deep
reservoir brines into an overlying aquifer, resulting in the addition of high concentrations of
dissolved elements and in situ reactions induced by the brine’s different pH, Eh and water
composition. While in the first case anomalous element concentrations are dependent on
the aquifer mineralogy/chemistry itself, the second case can “import” species that may not
occur in that aquifer. Clearly these two mechanisms could also occur together.

Aside from the far-field, up-dip pressure displacement of brine out of the reservoir unit, gas
or brine leakage into a fresh-water aquifer, if it occurs, would predominately be from
individual points/small areas. This could be from a leaking well or from single or multiple
points along a fault due to channelled flow. The resultant plumes of impacted water within
a shallow potable aquifer will tend to be long and narrow due to a constant groundwater
flow direction, although plumes can be deviated if they fall within the capture zone of a
pumped well or can coalesce with other plumes if there are multiple, nearby leakage points
(Figure 2a). While the spatially restricted nature of a single plume will limit its impact on the
groundwater resource as a whole, it will also make monitoring and the discovery of its
presence much more difficult (Carroll et al., 2014). For example, well 1 in Figure 2a may not
observe the nearby leak because its capture zone is up-gradient of the source, while the
down-gradient well 2 may not observe it because of distance, slow groundwater flow
velocity, and/or plume attenuation. The size and chemical composition of any plume will be
a function of site specific parameters, such as:

e Aquifer mineralogy. The types of minerals (carbonates, silicates, oxides, etc.) will
control geochemical reactions and will provide pH and Eh buffering capacity within
the aquifer. These primary and secondary mineral phases are also sources and sinks



for trace elements, whose mobilization could result in changes to groundwater
guality. Because different species will migrate at different velocities, as a function of
their reactivity, plumes will be zoned such that conservative elements like Cl or
stable water isotopes will migrate at the velocity of groundwater flow while reactive
species will be attenuated (Figure 2b).

Confined versus unconfined aquifer. In an unconfined aquifer system the leaking gas
is able to migrate into the unsaturated horizon and eventually into the atmosphere,
meaning that it will only accumulate directly along the vertical leakage path thus
limiting its impact (Figure 2c). In contrast, gas leaking into a confined aquifer will
accumulate as a separate gas phase at the top of the aquifer (e.g. Lamert et al.,
2012), create a long-term source over a much wider area, and produce a larger
plume (Figure 2d).

Leakage rate versus aquifer groundwater flow rate. This will influence plume size and
impact severity through mass balance effects, particularly in terms of dilution and its
effect on mineral solubility and buffering / scavenging capacity (Carroll et al., 2009).

Chemical composition of leaking gas. The main impact of a CO, gas-only leak on an
aquifer will be a lowering of the pH, however if a significant percentage of the
leaking gas consists of reduced species like CH4 or H,S there is also the potential to
change the Eh of the system. This will affect the stability of various mineral phases,
making them more or less soluble and changing the potential for trace element
release and/or scavenging.

Chemical composition of leaking brine. The level of specific trace elements that may
pose a health hazard, the concentration of major species that can influence ion
exchange or form complexing agents, and the pH and Eh levels will all influence the
potential impact of a brine plume within a potable aquifer.

Leakage pathway. As alluded to above, the lateral displacement of brine as a
function of the injection-induced pressure pulse could potentially impact a larger
area far from the CO, injection area if the up-dip extension of the saline reservoir is
hydraulically connected with a fresh water aquifer, whereas leakage along wells or
faults will likely result in a more spatially restricted impact.
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Figure 2. Schematic diagram showing potential spatial distributions of leakage-impacted plumes, projected
on surface, within an exploited aquifer having various extraction wells (a). Schematic cross-sections of some
brine intrusion (b) and CO, leakage (c,d) scenarios and their influence on the spatial distribution of the
resultant plume in unconfined (b,c) and confined (d) aquifers. Arrows show groundwater and gas flow

3.4. Research developments since 2005

The various approaches taken in the literature can be thought of as a continuum that covers
a wide spectrum of both spatial and temporal scales. At one end are laboratory batch and
column experiments which study pore-scale processes for relatively short time periods
under controlled conditions. Intermediate are field experiments where issues related to
geological heterogeneity and scale can be addressed, but again for limited time periods.
Finally, the study of naturally leaking CO, sites permits an examination of long-lived systems
that may have attained steady state. Results from all of these approaches can be
interpreted using geochemical models. Although each method has its own advantages and
shortcomings, results from the various approaches are often different due to different
kinetic rates and levels of complexity for the studied scales.

3.4.1. Laboratory experiments

Batch experiments are the most common, involving the continual flow of CO, gas into a
small volume of homogenized aquifer material and the monitoring of the major and trace
element aqueous geochemistry to determine impact on water quality, controlling processes,
and kinetic rate constants. In some cases the systems are agitated to minimise reaction
times. Another approach involves column experiments, where CO, charged water and/or
brine is made to flow along a 1D column packed with aquifer material. This addresses better
spatial plume evolution but is limited by slower kinetics and by a relatively short flow path
within a homogeneous lithology.

Montes-Hernandez et al. (2013) studied sorption of trace elements onto calcite and
goethite, two minerals frequently found in aquifers. They showed that adsorption could
prevent the remobilization of Cu, Cd, Se(lV) and As(V) if CO, intrudes into a freshwater



aquifer. In fact the adsorbed ions on calcite were not remobilized when CO, intruded into
the system. This means that dissolution of calcite induced by CO, is dissociated from
potential remobilization of sorbed Cd and Cu. The role of calcite in Cd immobilization onto
sediment (illite and calcite) was also confirmed by Frye et al. (2012), who concluded that
calcite contents as low as 10% can mitigate the effect of pH reduction and that Cd release
and sorption is strongly pH-dependent.

Montes-Hernandez et al. (2013) showed that the oxyanions Se(IV) and As(V) are re-
adsorbed on goethite. As(lll), which is reputed to be highly mobile, is only slightly
remobilized by CO; intrusion. In contrast, goethite-adsorbed Cd and Cu were largely re-
mobilized by CO, injection. This can be explained by a significant change in the surface
charge of the goethite after CO, intrusion, assuming that surface charge is strongly
dependent on pH as it is widely described in the literature.

Frye et al. (2012) investigated the effect of salinity on desorption behaviour in a column
experiment. Besides a higher solubility of CO, in low ionic strength solutions with a lower
pH, they showed that desorption is enhanced by high ionic strength. For example, Cd
desorption was to a large extent controlled by ion exchange processes.

Batch experiments on natural sediments (Little and Jackson, 2010; Lu et al., 2010; Mickler et
al., 2013; Viswanathan et al., 2013) highlight two different metal-behaviours after CO,
intrusion: (i) a fast initial release driven by CO, intrusion (carbonate dissolution and surface
processes); and (ii) a slow release trend driven by kinetically constrained processes, such as
mineral dissolution (mainly silicates and aluminosilicates). Varadharajan et al. (2013)
describe two possible mechanisms for the initial fast release, one driven by pH and one by
the formation of metal-carbonate complexes that enhance the release of some trace
elements (As, Mo, Sr, Mn).

Cahill et al. (2013) carried out a series of CO, exposure batch experiments to study
sediments of varying composition. They concluded that carbonate contents control pH and
alkalinity. Carbonate sediments with clays showed the most severe change in water
chemistry, in all major and trace elements, coupled to minimal reductions in pH due to
carbonate buffering capacity. Silicate-dominated sediments exhibited small changes in
major ion concentrations and the greatest reduction in pH, inducing a higher mobilization of
trace elements sensitive to pH.

Little and Jackson (2010) concluded that solid-phase metal mobility, carbonate buffering
capacity and redox state in shallow aquifers influence the impact of CO,. According to these
authors, the best approach to study the influence and impact of redox state on the
groundwater system is to conduct field experiments to ensure that in situ conditions are
maintained. In fact, interactions with the atmosphere have to be carefully controlled to
avoid any subsequent modification of redox conditions that can bias laboratory results



obtained for the behaviour of trace elements, such as Fe, Mn and As (e.g. sulphide oxidation
and oxide precipitation).

All these studies underline that potential mobilization of hazardous elements may be self-
mitigated because adsorption occurs when pH rebounds, meaning that in flow system
scavenging of elements in solution will occur down-gradient as pH increases during mineral
buffering.

3.4.2. Field experiments

Controlled release field experiments extend knowledge gained in the laboratory by
addressing the influence of natural geological complexity, heterogeneity, and scale on
plume size, migration, temporal/spatial evolution, and impact. While previously applied in
other areas of contaminant hydrogeology (Jellali et al., 2001; Rivett et al., 2001), no such
experiments had been performed prior to 2005 to assess the potential impact of CO,
leakage on groundwater quality. This has recently changed, however, as the results from at
least 12 CO, injection experiments have been published since 2007; to date no brine
injection experiments have been performed. Experimental design can be broadly divided
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into “push-pull” and “down-gradient monitoring”. The former consists of using a single well
to inject CO,-charged water into an aquifer and then pumping it out after a given incubation
time, while the latter consists of injecting CO, gas (or CO,-charged water) into an aquifer
using one or multiple wells and then monitoring the developing plume down-gradient using

multiple piezometers or multi-level wells.

Significant differences have been found between field and laboratory results, highlighting
the importance of recreating conditions as close as possible to those which would occur for
a real leak. In particular, numerous studies have found that reaction and element-release
rates in l[aboratory batch experiments are 2 to 100 times higher than those observed in field
experiments (Matter et al., 2007; Mickler et al., 2013; Yang et al., 2013a). These authors
postulate that the unrealistically high water / rock ratios, reactive surface area (due to
disaggregation), and mixing in batch experiments maintain mineral phases under saturated
and thus mass transfer rates artificially high. Only Yang et al. (2014b) found comparable
release rates for both experimental types.

Field experiments also give critical data regarding temporal and spatial variability. For
example, significant chemical differences have been observed prior to injection even within
the small areas encompassed by these experiments. This includes, amongst others, pH
variations of 1 to 1.5 units (Cahill and Jakobsen, 2013; Humez et al., 2014b; Peter et al.,
2012; Trautz et al., 2013), salinity stratification (Humez et al., 2014b), and strong EC
differences (e.g. 420-1,060 uS/cm) (Peter et al., 2012). This illustrates how background
variability must be well understood (see section 3.2) to define an appropriate monitoring



strategy for a given site and to avoid interpreting natural anomalies as being due to leakage
(i.e. false positives).

Spatial variability has also been observed after injection has commenced as a function of the
hydrogeological characteristics of the studied aquifer. Cahill and Jacobson (2013) found no
CO; in an aeolian sand overlying the glacial sand in which injection occurred due to its
slightly lower permeability. Cahill et al. (2014), working on the same site but with injection
in both sand units, observed rapid and more uniform changes of CO, and other parameters
in the glacial sand as compared to slower, erratic, and longer persistence in the aeolian
sand. Clearly channelled flow, lower overall flow rates, and perhaps diffusion-controlled
storage and release in low-permeability lenses affect mass transfer in the latter unit.

Temporal variability occurs in a number of the studies where high frequency sampling has
been conducted. In particular, both Trautz et al. (2013) and Cahill et al. (2014) observed a
short-lived pulse in EC, alkalinity, Ca, Ba, Sr, Mg, and other elements, with values rising
rapidly then decreasing afterwards to levels slightly higher than the original background; in
contrast pH decreased and remained low. As both sites have little or no measured
carbonates, the authors postulate that this pulse could be due to rapid release from the
complete dissolution of the trace carbonates present or from pH-moderated desorption
from, for example, oxi-hydroxides (Cahill et al., 2014; Newell et al., 2014). The subsequent,
slightly higher than background values are likely controlled by the persistent, much lower
pH values (due to exhaustion of the carbonate buffering capacity) and related, slower
silicate dissolution reactions. Such temporal events illustrate the advantage of continuous
monitoring systems (e.g. Peter et al., 2012).

In terms of impact on drinking water quality, aside from a limited number of exceptions,
trace element concentrations remained well below national and international drinking
water limits in all field experiments in which they were measured (Cahill and Jakobsen,
2013; Cahill et al., 2014; Kharaka et al., 2010; Mickler et al., 2013; Peter et al., 2012; Trautz
et al., 2013; Yang et al., 2013a; Yang et al., 2014b). Exceptions included Al values over 10x
the WHO guidelines (Cahill et al., 2014), two samples that exceeded Ni drinking water levels
(Peter et al., 2012), and some pH, Fe, Mn and Zn values that exceeded secondary standard
levels where effects are deemed to be cosmetic or aesthetic (Yang et al., 2014b). Toxic
elements like As and Pb were often below the detection limit of the analytical methods
used, however some authors stressed the low levels of these elements in their aquifer
material.

3.4.3. Natural systems

The migration of deep-origin brines and/or geologically produced CO, into near-surface
aquifers is a relatively common occurrence in geologically active areas throughout the
world, with those associated with CO, often being exploited for sparkling drinking water.



The study of such sites can vyield valuable information regarding local to regional scale
processes and complexities occurring in a real-world setting over long time periods.

In an effort to overcome the kinetic-related limitations of relatively brief injection tests,
Beaubien et al. (2014a) performed detailed groundwater sampling through two different
natural leaks in silicate and carbonate sediments, showing how pH and major and trace
elements of the respective plumes were controlled by aquifer mineralogy. Another detailed
study looked not directly at groundwater but rather at aquifer material through which CO,-
charged brines once flowed, causing dissolution of hematite grain coatings (bleaching) and
concurrent mobilization of trace elements (Wigley et al., 2013). This work clearly illustrates
plume zonation and potential mechanisms of trace metal attenuation, as species liberated
in the bleached interval (such as Cu, Pb, Zn) were re-deposited over a 5-10 cm interval at the
reaction front where sediment buffering capacity was still intact. The authors state that the
observed attenuation mechanism could potentially be important in leak-impacted aquifers if
flow rates are slow enough relative to reaction rates.

Other studies are of a more regional nature, sampling existing wells and/or springs over
100’s of km? to examine large-scale processes, such as the control of faults as migration
pathways or determining the origin of groundwater anomalies. One site that has received
particular attention is an area of active CO, degassing located near Chimayd, New Mexico
(Keating et al., 2010; Keating et al., 2013a; Keating et al., 2013b; Viswanathan et al., 2013),
where physical-chemical data from about 30 shallow (<60m) drinking water wells around
the Robert’s Fault have been studied and modelled. Initial work used major and trace
element concentrations and associations, major ion ratios (e.g. Br/Cl), and stable carbon
isotopes to distinguish gas only leakage along the northern part of the fault from gas plus
brackish water leakage to the south (Keating et al., 2010). The fact that elevated U, As, and
Pb concentrations are associated with brine migration in the south led the authors to state
that this mechanism may have a greater potential for impact compared to that of CO,-
induced in situ reactions in a buffered aquifer. Subsequent studies on this site focussed on
the behaviour of anomalous trace elements, As and U, with the former being found to be
controlled by sorption on clay and oxide surfaces (Viswanathan et al., 2013) and the latter
by cation exchange and dissolution / precipitation of calcite (Keating et al., 2013a).

The mixing of upwelling brines with shallow fresh waters and the approaches used to
determine groundwater origins and evolution have been addressed in various other regional
studies. These issues are particularly important from the point of view of CCS monitoring, as
natural variability and chemical changes during mixing and migration can complicate leak
recognition. For example, Choi et al. (2012) showed how the mixing of a deep Na-HCO;
water with a shallow fresh-water in the Kangwon District, Korea, created a third water that
further evolved to a Ca-HCO3; composition via reverse cation exchange. Kirk et al. (2009)
studied the mixing of an upwelling deep brine with shallow groundwater in the Rio Grande
floodplain, New Mexico, USA, showing that the major impact relates to redox mobilization



of Mn and Fe, but that trace elements like As were sequestered in oxides. Keating et al.
(2014) found evidence of simple mixing between an upwelling brine (with high Cl, As, and
other trace metal concentration) and fresh water at Springerville, Arizona, USA, however
8¢ isotope data off the mixing trend indicated that the associated CO, migrated in the
dissolved phase rather than as bubbles. Isotopes, together with trace element analyses and
modelling, were also used to show that there is, instead, no leakage from a natural CO,
reservoir into the overlying fresh-water aquifers at the Montmiral site in France (Lions et al.,
2014b). This study demonstrates that all DIC (Dissolved Inorganic Carbon) originates from
oxidation of organic material in the aquifer and that the bulk of measured 8%C values were
compatible with open and closed carbonate dissolution while a small sub-set of anomalous,
enriched samples could be explained by incongruent dissolution of Mg-Sr calcite or
dolomite.

3.4.4. Geochemical modelling

The prediction of geochemical reactivity in space and time via modelling is crucial for the
assessment of potential impacts of leakage from a CCS reservoir into an overlying shallow
aquifer. This can take two main forms, batch geochemical modelling that addresses the
complex, thermodynamically controlled reactions between water, gas, and rock, or reactive-
transport modelling that couples the former with fluid flow. In particular, the coupling of
both chemical and hydrodynamic processes is still a numerical challenge for the
computational capacity of present-day simulators. Still, the integration of fluid displacement
(due to either the regional flow or CO, injection) is needed to track plume development and
to make recommendations regarding monitoring and detection techniques (Siirila et al.,
2012).

Geochemical modelling has been applied thus far to assess monitoring options (Carroll et
al., 2009), for the interpretation of observed changes at natural analogue sites (Keating et
al.,, 2010; Keating et al., 2013a; Lions et al., 2014b; Viswanathan et al.,, 2013), for the
prediction of potential impact on groundwater chemistry (Carroll et al., 2014; Humez et al.,
2011; Navarre-Sitchler et al., 2013; Wilkin and DiGiulio, 2010), the fate of trace metals in
shallow groundwater (Wang and Jaffe 2004; Birkholzer et al. 2008; Zheng et al. 2009 and
2013; Siirila et al., 2012), and to better understand the significance of microbially mediated
reactions (West et al.,, 2011). It is also being used to interpret observed groundwater
changes at CO, injection field experiments (Peter et al., 2012; Yang et al., 2013a; Yang et al.,
2014b; Zheng et al., 2012). For these studies, the most commonly applied models are
TOUGHREACT (Xu et al., 2004) and PHREEQC (Parkhurst and Appelo, 1999).

While modelling has the advantage that it can be applied at any temporal or spatial scale, it
is limited by the quality of the thermodynamic and kinetic data used and by the complexity
of the natural systems modelled. For example, Fahrner et al. (2012) demonstrate that the
numerical simulation of CO; intrusion in a freshwater aquifer needs to consider pressure



and temperature effects. Pressure is important to assess parameters such as pH and
inorganic carbon through the dissolution of CO,(g), while temperature is important to
correctly assess kinetically constrained mineral precipitation / dissolution and sorption
processes. In particular, the authors state that present models may underestimate the in
situ release of trace elements in shallow aquifers due to an imprecise correction of the
temperature effect on sorption processes.

The accuracy of a modelled geochemical response of freshwater aquifers to CO, intrusion is
also dependent on the adequacy of the developed model and the objectives of the study,
and thus one can choose to model different levels of complexity. As the main pH control is
provided by carbonates, several studies consider a simplified system using only calcite and
aqueous carbonate species to predict impacts on pH and alkalinity in shallow groundwater
(Carroll et al., 2014; Navarre-Sitchler et al.,, 2013; Yang et al.,, 2013a). In other cases,
complex mineralogical characterization of geological formations has been obtained from
core analyses (e.g. XRD, SEM-EDS) (Keating et al., 2010; Keating et al., 2013b; Viswanathan
et al., 2013; Zheng et al., 2012; Zheng et al., 2009). Such complex mineralogy allows one to
predict impacts on water composition and the precipitation / dissolution of the main
minerals (Humez et al.,, 2011; Zheng et al.,, 2012; Zheng et al., 2009). In this case,
incorporation of kinetic rates helps to describe the evolution of the system. However kinetic
rates and associated parameters (specific surface area, temperature and pH dependency)
given in the literature are highly variable for a number of minerals, such as silicates, and this
can decrease the accuracy of long-term model predictions.

The fate of trace elements is controlled both by their source phases and by the processes
involved in their mobility. Lead and arsenic have received the most attention due to their
natural presence in US drinking waters and the relatively high simulated release compared
with legislated maximum contaminant levels (MCLs) (Navarre-Sitchler et al., 2013; Siirila et
al., 2012; Viswanathan et al., 2013; Wang and Jaffe, 2004; Zheng et al., 2009).

Regarding trace elements release, the first step is to identify the mineral hosts. Sulphides
and carbonates are mainly considered in models (Keating et al., 2010; Navarre-Sitchler et al.,
2013; Siirila et al., 2012; Wang and Jaffe, 2004) but sorption on clays and oxides may also
affect trace element mobility as they can be a sink or a source (Humez et al.,, 2013;
Viswanathan et al.,, 2013; Zheng et al., 2012; Zheng et al., 2009). Although sorption
processes (ion exchange and complexation surfaces) are not systematically implemented in
all codes, they can significantly reduce metal mobility and thus should be considered. lon
exchange is important in defining the fate of major and trace ions, however this mechanism
is not pH sensitive. Therefore surface complexation, which is pH dependent, is generally the
only mechanism included in models (Navarre-Sitchler et al., 2013; Zheng et al., 2009).
Ideally, both should be considered to correctly simulate all surface processes (Zheng et al.
2012, Viswanathan et al. 2013). Siirila et al. (2012) used a simplifying approach, assuming
metal mobilization only at the leakage source and spatially constant linear retardation



down-gradient from the source. This simplification allows for a quantitative approach to
exposure risk assessment. These authors show that hydrologic flow and transport
parameters (horizontal stratification, local scale dispersion) are also sensitive parameters in
assessing overall risk.

3.5. Implications for monitoring

For agueous geochemical methods to be successful in finding a leak various criteria must
first be met, including that wells exists or are created, that a leakage-induced plume
intersects one of those wells, and that it must be possible to recognize the chemical changes
within the plume as resulting from leakage and not natural site variability.

Regardless of other options, existing drinking water wells will definitely be sampled due not
only to cost effectiveness but also to safeguard public health. That said, Carroll et al. (2014)
illustrate that the probability of defining a leakage-induced plume using existing wells is
extremely low. While a higher density of newly drilled observation wells would increase the
likelihood of detection, the numbers required would be unrealistic. Instead, a limited
number of wells could be drilled in areas having a higher risk of leakage (e.g., along fault
traces or near abandoned wells) or potential impact (e.g., up-gradient from a major
municipal water well), or could be drilled ad hoc should other techniques infer leakage in a
specific area. Well completion issues will also affect monitoring: very long screened intervals
may result in a diluted leakage signal, while monitoring the top of a confined aquifer may be
better for CO, leakage (Carroll et al., 2009; Figure 2d) but the bottom may be better for
dense brine leakage (Figure 2b).

Potential impact from a leak will very site specific, depending on leakage characteristics and
potable aquifer characteristics. These factors must be taken into consideration to ensure
that a leakage anomaly can be defined within a potentially complex background (Humez et
al., 2014a). As a first step, pre-injection spatial / temporal characterization of the aquifer
must be undertaken to determine mineralogy and the range of natural baseline values for
aqueous geochemistry, in order to define appropriate monitoring parameters and
thresholds (Carroll et al.,, 2014). Site-specific batch and reactive transport geochemical
modelling can greatly aid in this work.

Based on these initial results, a number of parameters could be chosen for monitoring.
Those related to the carbonate system (pCO,, pH, DIC, alkalinity) are the most commonly
recommended, however the specific choice will be dependent on aquifer mineralogy. In
carbonate rich aquifers pH changes will be limited due to buffering but alkalinity and DIC will
increase significantly with the dissolution of calcite or dolomite, whereas in carbonate poor
aquifers pH will decrease sharply. Thus authors have suggested the use of DIC (Romanak et
al., 2012b), DIC and pH (Trautz et al., 2013), or DIC, pH, and 8Coic (Yang et al., 2013a; Yang



et al., 2013b), while Yang et al. (2014b) used modelling results to suggest that pCO, and DIC
may be the best compromise in all mineralogical settings.

Some major ions, such as Ca, Mg, Fe, and Mn, have shown CO, induced changes in
controlled injection experiments (Cahill et al., 2014; Kharaka et al., 2010; Trautz et al.,
2013), however their reactivity means that data interpretation is problematic. Similarly,
most trace elements of interest from a health perspective, such as As, Pb, or U, should be
avoided for leakage monitoring due to scavenging and attenuation (Keating et al., 2013a),
although they may be measured for public health reasons. EC has been observed to travel at
the groundwater velocity in carbonate poor settings (Cahill et al., 2014; Trautz et al., 2013),
however aside from providing an early warning signal it was found to subsequently drop
probably due to the transformation of HCO3; to H,COs°® at lower pH values.

Considering the transient changes observed in numerous studies, continuous monitoring
may be helpful to recognise leakage and to give early warning. Various sensors have been
used or are being developed for long-term deployment and monitoring of pH, pCO,, EC, etc.
(Gal et al., 2012; Graziani et al., 2014; Peter et al., 2012; Yang et al., 2014a). Isotopes are
another powerful tool which can help distinguish the source of an anomaly and give
important information about flow-path reactions (Humez et al., 2014a). The stable isotopes
of C (Schulz et al., 2012), C and Sr (Lions et al., 2014a; Newell et al., 2014), and B, Li, Sr, O, H,
and S (Humez et al., 2014b) have all been used to help interpret complex hydrochemical
data.

In the case of brine leakage, original aquifer chemistry may have less of an impact on
monitoring strategies while pH values may not be affected (Wunsch et al., 2013). Instead,
brines contain high concentrations of Cl and Br, and because these anions are conservative
they will migrate at the groundwater velocity (potentially giving an early warning) while
their ratio can be used to define their source. Other elements, such as B and Li, are also
typical brine tracers while the high salinity means that EC could be used as a simple, robust
monitoring tool in wells.

Considering the difficulty of finding groundwater impacted plumes using water well
sampling only, other methods have been suggested to improve the chances of success. In
confined aquifers a leak may result in a pressure pulse that can travel much farther and
more uniformly than the impacted plume, giving early warning of an anomalous event
(Wiese et al., 2013). Soil gas or atmospheric monitoring can cover large areas in much more
detail than groundwater sampling (e.g. Beaubien et al., 2013), and thus discovery of a leak
using these methods would focus groundwater sampling at that location. Finally geophysical
methods show promise for imaging the shallow sub-surface over larger areas to look for
leakage-induced plumes. For example the higher conductivity associated with such plumes,
especially those from brine leakage, can potentially be delineated using electrical resistivity
methods (Pettinelli et al., 2010; Wagner et al.,, 2013), although there is a risk of false
positives (Trainor-Guitton et al., 2013).



3.6. Significant gaps requiring further research

The large amount of research conducted over the last 10 years has significantly improved
our understanding of the potential impacts of CCS-related leakage on groundwater quality.
Starting from relatively simple scenarios, work has evolved to better assess and quantify
ever more complex systems in terms of temporal and spatial scale, kinetics, complex
chemical mechanisms, aquifer heterogeneities, etc. Future work must continue on this path,
focussing in particular on integrated laboratory, field, and modelling studies that
characterise a wider range of representative aquifer types and leakage styles.

To date a large number of laboratory batch experiments have been performed. While this
approach is useful, the often reported discrepancy between lab and field reaction rates
implies that batch experiments do not mimic natural systems. To address this it is
recommended that more 1D column experiments be conducted, preferably on un-disturbed
core, to obtain more realistic water-rock ratios and reactive surface areas. Such experiments
have great potential to study a wide range of issues (e.g., scavenging and attenuation
processes along the flow path) and are particularly well suited to coupling with reactive
transport modelling. Further laboratory experiments should also address different aquifer
mineralogy, plume chemistry (e.g. redox, pH, and composition), temperature, etc.

Recent field injection experiments have yielded important results that address natural
complexity and large scale processes; similar experiments are needed to study different
types of aquifers, depths, flow rates, and leakage rates. In addition, field experiments
involving the injection of brine or CO, with impurities (e.g. CHg, H,S, SO,) could give valuable
information regarding geochemical reaction pathways, element mobility and attenuation,
and eventual impacts in these different scenarios.

The various studies conducted thus far on natural analogues have shown that drinking
water limits are typically not exceeded at these sites. More such studies are required,
however, in different geological settings to ensure that such preliminary results are valid
under a wider range of conditions (mineralogy, flow rates, leakage rates, etc.). In addition, it
is recommended that additional detailed studies be conducted on individual leakage points,
as this will be similar to injection experiments in terms of scale and natural complexity but
on a system that has been leaking for much longer time periods. Non-leaking sites, including
aquifers above potential storage sites, need to be studied as well to better define natural
background variability and, thus, thresholds for leakage detection. To improve this
threshold, “fingerprinting” tools like isotopes should be better tested.

Finally, more integrated experimental / modelling studies are required to improve numerical
tools. The coupling of multiphase flow with reactive transport modelling is very demanding
in CPU time and memory, which often requires simplification of the proposed scenarios
(e.g., single phase approach, 2D or 1D modelling, homogeneous properties, reduction of
chemical processes and data, etc.). Although high performance computing is becoming an



important support that allows for the simulation of ever more complex 3D heterogeneous
systems, such models still need to be validated against real field data. Model calibration and
the reduction of uncertainties in the associated thermodynamic and kinetic data bases is
therefore crucial to ensure continued progress in modelling prediction. We also highlight
the need to model the potential impact of impurities, something that has received little
attention to date.

4. Offshore ecosystem impacts

4.1. Introduction

The IPCC report of 2005 primarily discussed marine environmental impacts in the context of
open ocean storage. Since that time, with the effective exclusion of ocean storage as an
option, attention has turned to environmental impacts associated with leakage of CO, from
geological storage or transportation. Also around 2005 a huge international research effort
started on the impacts of ocean acidification (OA) on marine systems as a result of rising
atmospheric CO, levels. OA is a long term projected reduction of global marine pH by up to
0.7 units over the next decade (Caldeira and Wickett, 2003) which is hypothesised to be
potentially damaging for marine systems. This has been highly informative for CCS issues. In
the last decade the most striking outcome is the revelation of significant complexity in the
environmental impact at the organism and community level, such that the hoped for
ecosystem sensitivity synthesis is only just beginning to emerge (Section 4.3.5).

The physiological mechanisms by which excess CO, affects marine organisms identified a
decade ago (Portner et al., 2004; 2005) still hold. Briefly, additional CO, in marine systems
affects carbonate chemistry, increasing acidification and bicarbonate ion concentration and
decreasing carbonate ion concentration and pH. The level of acidity controls many
biochemical processes and both bicarbonate and carbonate are substrates for key biological
processes. More recent, however, is an understanding of the role of (nutritional) resources
in mediating impact (e.g. Thomsen et al., 2013) and the ability of some species to
acclimatise to altered chemistry, at least in the short term (e.g. Schliter et al., 2014) or even
exhibit adaptation over longer periods (e.g Pespeni et al., 2013).

Whilst there is still much debate regarding the likelihood and potential rates of leakage, the
scientific community has made advances in understanding the spatial impact from a range
of hypothetical leakage scenarios (section 4.3.1), via models. It can be argued that this
understanding is vital, as a first order impact assessment needs to quantify the proportion
of a system that is affected.

Another advance is a far better understanding of the natural physical/chemical variability of
the marine system (e.g. Hofmann et al., 2011, Thomas et al., 2005; Artioli et al., 2012),
especially with respect to carbonate chemistry in coastal and shelf seas which will



predominantly host storage sites. This is crucial for both monitoring for leakage signals but
also for understanding the resilience of populations to chemical changes. As a consequence
it is now possible to design the baseline acquisition strategies that would be necessary for
both detection and impact assessment (Blackford et al., 2015).

4.2. Baselines

The fundamental chemistry of dissolved CO, in seawater is well understood (Zeebe and
Wolf-Gladrow, 2001) but is latterly better characterised with respect to coastal
environments and CO, seepage. Although seeping CO, is generally thought likely to appear
at the sea floor in bubble form (or liquid droplet in cold, deep environments) direct seepage
in the dissolved phase cannot be ruled out. Gas bubble plumes, however buoyant, will
dissolve rapidly such that they are unlikely to penetrate more than a few metres from the
sea floor (Dewar et al., 2013). Consequently all forms of seepage are likely to form plumes
of dissolved CO, in the bottom few metres of the water column and mixing processes are
likely to disperse CO; rapidly both horizontally and vertically. Hence the focus for impact
research is on sea floor or benthic ecosystems.

Prior to 2005, less was understood about the variability of carbonate chemistry in coastal
and shelf seas, which are the location for the majority of offshore carbon storage projects in
operation or planning. It has now been established that marginal marine ecosystems have
highly variable carbonate chemistry which arises from complex interactions of biological,
terrestrial and oceanic processes (Hofmann et al.,, 2012). Consequently marine organisms
are adapted to a range of pH conditions and variability. Understanding this complex natural
variability, the factors which drive it, how it influences biological processes and what
constitutes a deviation from this natural range are key to understanding impact potential.

Oceanic CO; equilibrates with atmospheric CO, over timescales of the order of a month,
consequently marine CO, is showing a gradual increase, and pH a gradual decrease, in line
with increasing atmospheric CO,. In contrast, the influences of biological processes on CO,
and the carbonate system, are far more dynamic. Uptake of Dissolved Inorganic Carbon
(DIC) via photosynthesis is a feature of nutrient-rich well lit waters and occurs on relatively
predictable seasonal and diurnal cycles. The subsequent respiration of organic matter by
heterotrophs releases DIC throughout the water column and within the surface sediment
layer. Predator — prey interactions create less predictable sub-seasonal dynamics, which are
exacerbated by the availability of nutrients, mediated by both biological regeneration and
physical mixing. In coastal regions influenced by rivers, terrestrially derived nutrient loads
fertilise biological production leading to large swings in DIC concentration, and hence pH,
which may range over 1 unit or more. Away from direct coastal influences, in regions of
more oceanic water, variability over an annual cycle may be 0.3 pH units or less. In deeper,
sometimes stratified, water columns the lower layers tend to exhibit less variability due to
the lack of in-situ photosynthesis in the darkness. However shallower water columns that



are well mixed can show significant variability at the sea floor. Whilst the surface ocean is
relatively well sampled for carbonate chemistry, there are a lack of high frequency time
series and a dearth of observations near the sea bed. However hydrodynamic-ecosystem
models, which encode all of the processes responsible for natural DIC variability, described
above, can reveal, with reasonable skill (e.g. Artioli et al, 2012), the spatio-temporal
dynamics of relevant marine systems (e.g. Figure 3).
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Figure 3 A model derived climatology of the pH range for two regions in the North Sea. a) central north Sea
b) southern North Sea (reproduced from Blackford et al., 2015).

Within sediments very strong gradients of carbonate chemistry exist, typically with
sediment layers a few centimetres deep exhibiting pH levels about 0.5 units or more below
that of the overlying seawater. This is due to the vertical profile of redox chemistry and
infaunal activity, including microbial respiration. An example sediment pH image is
illustrated in Figure 4. There is however much less seasonality within the sediment
carbonate system, although there is significant spatial variability associated with different
sediment types and on a smaller scale associated with burrows and similar structures
created by benthic organisms (Stahl et al., 2006).



Figure 4 Two dimensional image of sediment pH obtained using the planar optode technique (Stahl et al.,
2006). Significant fine scale spatial variability is associated with burrows and similar structures created by
benthic organisms. The area of the image is 21 cm’.

Moving beyond carbonate chemistry, the physical, chemical and resource environment
within which marine organisms live varies considerably both through space and time.
Consequently it is hardly surprising that marine communities, and the processes mediated
by these communities, exhibit large natural variability expressed as a spatial and temporal
patchwork of communities and life-cycles. This is driven by short term seasonal dynamics
(Reiss and Kroncke, 2005), spatial changes associated with gradients (e.g. sediment type,
food availability, Dauwe et al., 1998), long-term change associated with environmental
drivers (e.g. ocean warming, Hiscock et al., 2004; OA, Kroeker et al., 2013), and direct
human induced change (e.g. fisheries, Queirds et al., 2006), the characterisation of which
develops continually. The conclusion from recent CCS related studies is that a baseline from
which to assess impact must account for this heterogeneity in both community structure
and the underlying chemical environment (Section 4.4, Blackford et al., 2015).

4.3. Research developments since 2005:

Offshore environmental research relating to CCS is challenging, given that the major focus is
on the relatively inaccessible sea floor. Traditional laboratory based experiments, where
individual species or small sediment samples are exposed to a range of concentrations of
CO, enable testing of detailed physiological and limited behavioural responses. Whilst some
such experiments have been specifically targeted at CCS issues, a huge body of research
surrounding the chemically similar phenomena of OA has provided much information
relevant to CCS impact assessment. Significant research has used natural analogues,



generally sub-sea volcanically derived CO, seeps, which allows an investigation of whole
system effects along with an assessment of impact footprint; although these can be slightly
undermined by the thermal characteristics of, and impurities in, the gas flow. More recently
direct injections into the water column and sediments build on analogue studies by enabling
a study of both onset and recovery associated with known rates of CO, injection. Finally
modelling has enabled the prediction of the spatial and chemical extent of CO, plumes for a
wide range of leakage rates and are being used in ecological impact quantification studies,
although the latter are in their infancy.

4.3.1. Modelling

Given that leakage is hypothetical, and that there is minimal data that directly provides
evidence of leakage characteristics, modelling research over the last 10 years has played a
significant role in advancing understanding. Primarily, models have quantified the spatial
and temporal dynamics of a range of leakage scenarios (Chen et al., 2005; Blackford et al.,
2008, 2009, 2013; Dewar et al., 2013; Phelps et al., 2015), initially to understand impact
potential but increasingly to address detectability and monitoring strategies (Hvidevold et
al, 2015; Greenwood et al, in press). Models can also be used to aid leakage quantification
(Mori et al., 2015), to underpin baseline understanding and in the future to directly assess
impacts on ecosystems, as has been done for OA (Artioli et al., 2014). Model based research
is complex and computationally demanding, generally requiring parallel machines or large
clusters of computers, and requires a suite of model components:

Hydrodynamic models which characterise the 3D movement and mixing of marine systems
are the key component for understanding the dispersal of dissolved CO,. Realistic
atmospheric, tidal and geostrophic forcing are essential in order to correctly estimate
dispersion characteristics. Initial studies of leakage used available models, often with a
relatively coarse resolution (e.g. Blackford, 2008, ~7km horizontal resolution), and were only
able to address large scale leakage events. In the last decade the resolution of
hydrodynamic models has improved, as a result of advances in computational systems. Shelf
wide models can now reach resolutions of 1km horizontally (e.g. Phelps et al., 2015) whilst
local models can resolve at least part of the domain with resolutions of a few metres (e.g.
Blackford et al., 2013).

Bubble plume models (Chen et al., 2005; Dewar et al.,, 2013) are necessary to properly
understand the characteristics of the leak epicentre, in terms of the gas phase plume and
the near field dissolved plume. Bubble size (larger bubbles are more buoyant and dissolve
slower) is the key determinant of the elevation of a plume from the sea floor and
consequently the vertical profile of chemical change and the patterns of dispersion; with
implications for both monitoring strategy and environmental impact. As with the
hydrodynamic models, emission form, topography and currents impart a large variability on
the outcome of a given emission scenario. Plume models have made progressive



improvements to the parameterisation of processes, based on observations of natural and
man-made leakage analogues (Dewar et al, 2015).

Carbonate system models are an essential component of all leakage simulations as they can
derive pH, pCO,, CO32' and HCO;3; ion concentration and saturation state from given
concentrations of dissolved CO,. These parameters are necessary to understand both
impact and detectability. Whilst carbonate system models have been available for decades,
since 2005 international agreement on the parameterisation of reaction constants (Dickson
et al., 2007) and a far better treatment of alkalinity (e.g. Artioli et al., 2012) has improved
the realism of these models, especially when applied to shelf and coastal systems.

Ecosystem models such as ERSEM (Blackford et al., 2004), which resolve the marine carbon
cycle, have a dual purpose when coupled with hydrodynamic and carbonate system models.
By including processes, such as photosynthesis and respiration, which affect natural DIC
concentrations, these models provide an ability to estimate natural variability (Artioli et al.,
2012) or the baseline against which leakage must be detected (Blackford et al., 2015) (Figure
3). This is particularly important because there are very few direct observations of the sea
floor carbonate system. Ecosystem models have also been used to examine biological
impacts from high CO, (e.g. Artioli et al.,, 2014), however as the organism response, as
demonstrated by a wealth of experiments (Widdicombe et al., 2013a) is complex and
species specific, this is not yet well resolved by model systems. In the last few years models
are attempting projections of impact, but these are not yet sufficiently developed for
publication.

Because of the large range of hypothetical seepage scenarios considered (<0.1-10000
tonnes d!) no one model system has an over-arching forecast capability, rather various
combinations of modelling components are used as appropriate. For small scale leakage
scenarios (~<1 tonnes d') a detailed treatment of the bubble plume is the primary
modelling requirement. For larger scenarios (>10 tonnes d') the length scale of the gas
phase plume is significantly less than that of the dissolved plume and hydrodynamic models
are the primary model component. Choosing an appropriate resolution for the physical
structure of the model depends on the length scale of the modelled plumes.

Both modelling and experimental work indicate that the maximum length scale of
potentially biologically harmful CO, plumes increases with the leakage rate, being of the
order of 10 metres for emission rates around 0.1 tonnes d* (Shitashima et al., 2015), of the
order of a few hundred metres for 10 tonnes d™* (Dewar et al., 2013) and around 50km for
10000 tonnes d-! (Phelps et al., 2015). What actually constitutes a biologically harmful
exposure to high CO, is complex and is discussed below.

Modelling has shown two key things; firstly that the dynamics of leaked plumes can be very
complex, for example oscillating around an epicentre due to tidally driven mixing (Blackford
et al., 2013). As well as making detection more complex, the resulting on-off exposure of



fixed benthic communities to high CO, water is likely to have implications for their response
and poses challenges for experimental design. Secondly, models suggest that the evolution
of leakage plumes is highly dependent on a range of factors, including the spatial pattern
and form of sea floor emissions, the emission rate, local topography, and seasonal and
weather driven conditions. Consequently leakage projections are not transferable from one
storage site to another or between seasons.

4.3.2. Laboratory experiments

In the past few years there have been several major changes to the way in which laboratory
experiments are used, and will be used in the future, to assess the potential environmental
impacts of CO, leakage from sub-seabed CCS reservoirs.

For many years standard ecotoxicological studies have used laboratory based exposure
experiments to assess the likely impacts of environmental toxicants on marine organisms or
communities. The major benefit of this approach has been that the scale, longevity and
nature of any exposure could be tightly controlled, and any confounding effects from other
factors minimised. Unsurprisingly, therefore, the recognition of CCS as a potential
environmental threat caused a rapid growth in such studies with new data produced
describing the effect of CO, exposure on a range of marine species and hence the potential
impacts of CCS leakage (see Widdicombe et al., 2015). However, unlike many toxicants, CO,
is an element to which marine organisms are already exposed; many have strong
physiological responses to CO, or to other, CO,-related, chemical changes (e.g. pH or
carbonate saturation state). Consequently, CO, exposure experiments have needed to
evolve beyond the traditional assessment of simplistic estimates of mortality or lethal limits
(e.g. LC50 values). In particular, it is essential for studies not to be limited to a few
traditional response variables but instead to consider the likely trade-offs and compensatory
mechanisms used by marine organisms to cope with short-term variations in the levels of
environmental CO,. This represents perhaps the biggest advance in laboratory-based CCS
experiments with new studies incorporating elements of physiological plasticity (Ellis et al.,
2015) and energy allocation (e.g. scope for growth or dynamic energy budget modelling
(Klok et al., 2014 ).

CCS laboratory-based research has moved from simple, single stressor exposure
experiments, measuring a limited number of response variables under a constant level of
CO, stress, to more complex, multi-endpoint studies which consider a host of potential
interacting factors. The relevance of physiological mechanisms that allow certain species to
cope with high levels of CO, (hypercapnia) was identified and differences between species
in this respect were revealed (Kamenos et al., 2013; Hammer and Pedersen, 2013; Donohue
et al.,, 2012; Small et al., 2010). More subtle effects of elevated CO, concentrations were
shown in experiments with multiple stressors, such as pathogens (Ellis et al., 2015).
Experimentation in more complex systems also revealed indirect impacts on marine



ecosystem functions such as bioturbation and nutrient cycling (Burdett et al., 2014;
Widdicombe et al., 2013b; Murray et al., 2013; Widdicombe and Needham, 2007).

In addition, studies are now beginning to consider the potential for interactions between
CO, and other stressors (e.g. toxic metals) as well as the potential for CCS activities to
facilitate the release of other potentially harmful fluids such as methane or
reservoir/formation water (hypoxic brine). Early consideration of the latter (Queiréds et al.,
2014) suggests that they may cause greater changes in marine ecosystem components than
leaking CO,.

Many experimental approaches have been deployed to investigate the potential
consequences of OA, but because of practical limitations in experimental procedures and
the desire to establish response across a gradient of pH values, many OA experiments have
used relatively short term, sudden onset exposures to CO, and have explored reductions in
pH exceeding 1 pH unit. Such experiments are therefore arguably better analogues for CCS
leakage than OA, although only they only consider increased CO; in the water column and
do not address the complex chemical transformations and biological impacts that may occur
when CO, flows vertically through sediments. It is beyond the scope of this paper to review
the literature on OA, currently growing by several hundred papers a year, and periodically
summarised (e.g. Gattuso and Hansen, 2011). In synopsis this research has revealed a large
range in response to lowered pH which depends on species, class, life-stage, resource level
and other stressors, nevertheless has contributed significantly to our understanding of the
ecological sensitivities of the marine system to leakage from geological storage (see Section
4.3.5).

4.3.3. Natural systems

Natural CO, seeps that occur over a wide depth range, from intertidal to the abyss, can be
studied as a large-scale, real-world analogue of what might occur at a leaking offshore CCS
site in order to achieve a more complete (and realistic) understanding of the possible
consequences of a seabed leak of stored CO,.

In the last few years, in the framework of several CCS-related research projects, natural CO,
gas seeps have been widely studied to validate methods used for the detection and
monitoring of CO, migration, to perform in situ investigations into a number of key
processes controlling leakage pathways, and to evaluate impacts on marine ecosystems.

For example, research into the potential effects of CO, leakage on benthic and pelagic
systems were performed near Panarea Island (Southern Tyrrhenian Sea, Italy) within the EU-
funded CO2GeoNet, RISCS and ECO2 projects, as well as at other ECO2 sites like the
Southern Okinawa Trough (NE off Taiwan), Jan Mayen Vent Field (North Atlantic) and Juist
Salt Dome (Southern North Sea). Russell et al. (2013) used three separate tropical volcanic
CO; seeps in Papua New Guinea as natural ‘laboratories’ to assess whether the observed



increase of seagrass productivity and biomass due to locally increased CO, concentrations
could be used as a proxy for what may occur near a CCS leak. The purpose was to assess if
increased benthic primary productivity could capture and store CO, leakage in areas
targeted for CCS. Karuza et al. (2012) investigated the interrelationships between planktonic
prokaryotes and viruses in the Panarea hydrothermal system; de Beer et al. (2013) focused
on biogeochemical processes and microbial activity in deep sea sediments of the Yonaguni
Knoll IV hydrothermal system (Japan).

Volcanic CO; vents have also been extensively utilized to investigate the potential long term
impacts of greenhouse gas-induced OA on marine organisms and ecosystems. Over recent
years, CO, vent sites in areas off Ischia Island (Italy) have been explored to evaluate the
effects of acidification on benthic organisms and ecosystems at shallow coastal sites and to
examine ecological tipping points along gradients of increasing pCO, (Hall-Spencer et al.,
2008, 2009; Cigliano et al., 2010; Dias et al., 2010; Martin et al. 2008; Rodolfo-Metalpa et al.,
2010, 2011; Kroeker et al., 2011; Porzio et al., 2011). Studies into the response of seagrass
ecosystems to long-term high CO, were performed at a shallow volcanic CO, vent near
Vulcano Island (ltaly) (Apostolaki et al., 2014). Limpet shell modifications have been
observed at intertidal hydrothermal vents in the Azores Archipelago (Couto et al., 2012).
The consequences of long-term exposure to high CO, on coral-reef-associated
macroinvertebrate communities were analysed around three shallow volcanic CO, seeps in
Papua New Guinea (Fabricius et al., 2011, 2013) while calcifying coral abundance near low-
pH springs were studied off the coast of Mexico near the Mesoamerican Reef (Crook et al.,
2012).

Outcomes from these studies should help us understand the potential impact of CCS
leakage because the magnitude, duration, and localized gradients of CO, exposure are more
likely to mimic industrial CO, leakage scenarios than the more gradual but globally elevated
CO, associated with OA (Carroll et al., 2013).

Organisms and ecosystem responses in naturally acidified environments depend upon site
characteristics and species, which vary in relation to water depth and light penetration, to
the strength of the leakage and its persistence, to the hydrodynamic conditions at the site
and other environmental complexities. Many of these vent sites show a wide range of pH
values (Kroeker et al., 2011) and temporal and spatial variations in emission rates and
chemical composition. Such different natural conditions make it possible to assess a wider
range of potential long-term (multi-decadal) impacts on entire marine ecosystems and
provides a good opportunity to document species-species and species-environment
interactions under low pH conditions. Moreover, in situ transplantation and colonization
experiments along pH gradients can be designed at natural CO, vent sites to define species
sensitivity to increasing pCO, values.

Results obtained from studies performed at these natural laboratories (within CCS or OA
applications) show that the effects of increasing CO; levels on marine organisms are variable



and species-specific but can also have cascading effects on communities and ecosystems
(Carroll et al., 2013). Typically, species diversity decreases near CO, vents.

At shallow-water hydrothermal vents (off Panarea, Italy), Karuza et al. (2012) observed a
lower abundance of free viruses and lower virus-to-prokaryote ratio in close proximity to
the vents, suggesting that prokaryotes were more tolerant of the CO,. Mannini et al. (2008)
had also found viruses to be more affected by the CO, and found higher benthic bacterial
ribotype richness and diversity near the vents, highlighting a positive effect of the fluid
emissions on prokaryote diversity and suggesting that the vents might influence benthic
prokaryote community composition.

In the same area, transplantation experiments to assess the short to mid-term (1 year) CO,
leakage effect on bacterial assemblages indicate that CO, leakage causes a shift in bacterial
diversity (Queirds et al.,, 2014). Regarding the planktonic community, preliminary results
suggest that CO, seeps do not seem to have any clear influence on phytoplankton and
microzooplankton communities, whose structure appeared instead to be mainly linked to
seasonal variations (Queirds et al., 2014).

Among primary producers, many seaweeds can clearly continue to photosynthesise even at
extremely high dissolved CO, levels. Various Rhodophyta, Ochrophyta and Chlorophyta are
able to grow at high dissolved CO, levels, even if there is evidence of decreased
reproductive capacity in some species (Porzio et al., 2011). Seagrasses seem to benefit from
high CO, conditions, increasing productivity (Cymodocea serrulata, Halophila ovalis and
Cymodocea nodosa) (Russell et al., 2013; Apostolaki et al., 2014) and biomass (only C.
serrulata); this may positively influence the diverse range of organisms which rely on these
primary habitats, thus partially mitigating the effect of CO, increase (Russell et al., 2013).
Negative effects of increasing CO, concentrations on habitat forming species has been
reported instead for reef building corals (Fabricius et al., 2011; Crook et al., 2012), with
reductions in coral diversity, recruitment and abundances of structurally complex
framework builders and shifts in competitive interactions between taxa. This loss of habitat
complexity is also associated with losses in many macroinvertebrate groups, especially
predation-prone mobile taxa, including crustaceans and crinoids (Fabricius et al., 2013).
Other calcified species adversely affected by reductions in pH are calcified algae, snails, sea
urchins (Hall-Spencer et al., 2008, Hall-Spencer and Rodolfo-Metalpa, 2009) and calcareous
seagrass epibionts such as epiphytic coralline algae (Martin et al., 2008). Transplant
experiments show that, at moderate temperatures, the bryozoan Myriapora truncata are
able to up-regulate their calcification rates and survive in areas with higher levels of pCO,,
although this ability breaks down below a mean pH value of 7.4 (Rodolfo-Metalpa et al.,
2010). Also invertebrate taxonomic richness appears to be reduced in extremely low pH
zones (below 7.8; Cigliano et al., 2010; Kroeker et al., 2011; Dias et al., 2010). In general it
appears that increased levels of CO, can profoundly affect the settlement of a wide range of



benthic organisms, thus decreasing the diversity, biomass, and trophic complexity of benthic
marine communities.

Deep-sea organisms may be particularly sensitive to CO, perturbations compared to their
shallow-water counterparts due to lower metabolic rates, and variability in natural CO,
concentrations and pH in the deep-sea compared to shallow water (Carroll et al., 2013).
Results from natural deep-sea CO, seepage areas demonstrate that deep-sea benthic
communities may fundamentally change in response to the release of CO, in the context of
CCS (Neumann, 2012). Hypercapnia associated with CO, leakage may profoundly affect the
physiology of deep-sea animals (Carroll et al., 2013). Combined effects of the release of
other, maybe toxic, fluids may further alter community composition and functioning at the
seafloor. Microbes might be able to survive at low pH values but most likely will suffer
mortality as a consequence of the dissolving and uncoupling characteristics of liquid and
supercritical CO, (Neumann, 2012). This limits life to the surface sediment horizons above
the liquid CO, phase where less extreme conditions prevail (de Beer et al. 2013). In general,
the number of microbes decreased sharply with increasing sediment depth and CO,
concentration. Some members of the anaerobic methanotrophs and sulphate reducers can
adapt to the CO,-seep sedimentary environment; however, CO, and pH in the deep-sea
sediments were found to severely impact the activity and structure of the microbial
community (Yanagawa et al., 2013). Looking at the higher trophic levels, the macrofauna
appeared to be more impacted than the meiofauna (Neumann, 2012). In the Okinawa
Trough, the area of the Yonaguni Knoll, where liquid CO; is being released and CO, hydrates
are forming, background fauna found at ambient CO, levels are completely absent in areas
of high CO, and diversity of infauna is reduced. Echinoderms are present in the area but in
high CO, conditions they are replaced by organisms associated with CO, vents (Wallman,
2011).

4.3.4. Injection tests

Whilst natural analogue sites and laboratory based work have been extremely valuable,
they can have significant limitations. Analogue sites are often too well established, with an
ecosystem that has adapted to higher CO, levels, to reveal initial impacts. Also, they may be
compromised by an environmental setting, and chemical and/or thermal characteristics,
that differ significantly from those above a CO, storage site. In laboratory work it is difficult
to recreate the complex vertical structure of sediments or a realistic community structure,
or address behavioural responses or recovery potential, all of which are key to
understanding impacts. Consequently direct injection of limited amounts of CO, into the
marine environment are an attractive if challenging research mechanism, with early work
focussing on deep-sea sequestration (Brewer et al., 1999; Tamburri et al., 2000; Thistle et
al., 2006). There have also been small-scale in situ injection experiments using benthic
chamber landers (Ishida et al., 2013 and the RISCS project).



In order to better replicate conditions similar to the initial stages of a small leak from
geological storage the recent QICS experiment (Blackford et al., 2014; Taylor et al., 2015a)
engineered a direct injection of CO, into marine sediments in a sea bay and observed the
physical, chemical and biological impacts. Although expensive and challenging, in terms of
both execution and public acceptance, this approach has many benefits. It reveals the
interplay between CO, flow and the complex physical, chemical and biological structure of
the sediment, it allows an assessment of the hydrodynamic effect on CO, plumes and it
demonstrates a biological response in the context of ecosystem interactions, behaviour and
recovery. As in some terrestrial controlled release experiments (Jones et al 2014) there was
a considerable lateral displacement of CO, from the sub-sea level release point (up to 20m
horizontally in 11m vertical flow). There were also complex interactions and differential flow
regimes in each of the sediment layers present (Blackford et al, 2015; Cevatoglu, subm). A
considerable proportion of the injected CO, was buffered by rapid dissolution of calcium
carbonate (CaCQOs) in the sediments such that acidification of the pore water was limited in
places (Lichtschlag et al., 2015), indicated by increased pore water alkalinity and Ca*.
Attempts at achieving a mass balance of the QICS CO, flow suggest that between 85%
(Blackford et al., 2015) and 50% (Mori et al., 2015) of the injected CO, was retained within
the shallow sediments, by a combination of dissolution and residual trapping.

Reductions in pH of up to 1.0pH units were seen in parts of the sediment and the overlying
water column, with larger reductions associated with specific bubble plumes (Taylor et al
2015b; Shitashima et al., 2015). There was considerable heterogeneity in chemical changes
to both the water column and sediments with significant implications for detection,
quantification and impact. Impact on benthic macrofauna, in terms of both number of
species (biodiversity) and number of individuals (mortality and emigration) was significant
towards the end of the 37 day injection period, but recovery of both chemical parameters
and biological communities was rapid, within a few weeks (Blackford et al., 2015;
Widdicombe et al., 2015). No impacts were seen on caged surface megafauna near the
release site (Pratt et al, 2015) nor on the behaviour of mobile surface megafauna over the
release site (Kita et al, 2015) indicating some short term resilience in the selected species for
this limited release. Microbial gene expression seemed to be the most sensitive biologically
related parameter, with significant but small impacts up to 25m from the release epicentre
(Tait et al, 2015) and slight disruption to the microbially mediated nitrogen cycle (Watanabe
et al, 2015). The QICS study concluded that a small, short-term leak was unlikely to have
substantial impact on the local ecosystem.

4.3.5. Summary of advances in impact understanding

Taking together the insights from modelling, laboratory, analogue, injection and OA
research, the understanding of sensitivity to high CO, has come a long way since 2005 but
gaps, uncertainties and contradictions remain. A seep or leak of CO, from geological storage
will produce two types of impact zone. Within the area of leakage, CO, will enter the marine



ecosystem from below, via the sediments and the first to be exposed will be the deeper
sediment dwelling fauna. Away from the area of leakage, impacts will be mediated via
mobile plumes of CO, rich water permeating the water column, which will initially impact
sediment surface and pelagic communities. All leak events will produce a gradient of pH and
other chemical change between the leak location and the periphery of the affected area.
The length scale of the gradient will depend primarily on the leakage rate but will be
influenced by other factors associated with the form of leakage and hydrodynamic mixing.

Whilst models show that no two leakage scenarios will produce the same outcome, the area
impacted increases with the leak rate. For small leaks, (<1t/d) the spatial impact will be of
the order of a few tens of meters radius and arguably not significant on a regional scale,
especially when compared to the likely impacts of climate change (Dewar et al, 2013,
Blackford et al, 2008, 2013, Phelps et al, 2015). Only a very large leak (>100t/d), would seem
to have significant impact potential, in terms of areal footprint (km scale), and the likelihood
and impact of such a leak would be greatly reduced through good design and operational
practice, including rigorous monitoring procedures.

The potential physiological impacts of CO, exposure on the health, behaviour, function and
ultimate survival of marine species and communities have been intensively studied and have
been detailed in a number of previous reviews (Seibel and Walsh 2001, 2003; Portner et al.
2004, 2005; Fabry et al., 2008; Widdicombe and Spicer, 2008; Kroeker et al., 2013). In
summary, when marine organisms are exposed to low pH seawater the primary
physiological effect is a decrease in the pH or an “acidosis” of the extracellular body fluids
such as blood, haemolymph, or coelomic fluid. In some species this extracellular acidosis is
fully compensated by two mechanisms. The concentration of extracellular bicarbonate can
be increased by either active ion transport processes in the gills or through passive
dissolution of a calcium carbonate shell or carapace (see Widdicombe and Spicer, 2008 and
references therein). However, in other species from a variety of different taxa, such as
mussels (Michaelidis et al., 2005), crabs (Wood and Cameron, 1985; Pane and Barry, 2007)
and sea urchins (Miles et al., 2007) studies have reported only partial, or no, compensation
in the extracellular acid-base balance. In these instances the uncompensated acidosis can
lead to more or less severe metabolic depression in the affected organism (Portner, 2008) in
turn having a negative impact on that individual’s contribution to the ecosystem.

Perturbations in an organism’s acid base physiology represent one potential impact of
elevated CO;, on marine benthic species. Species with calcified external structures are at risk
of dissolution in response to seawater acidification. To further complicate the picture, the
biological impacts of CO, leakage can also be modified by the prevailing conditions at the
leak site. The buffering capacity of high carbonate sediments can be substantial, limiting the
net change in ecosystem pH in response to limited CO, release (Lichtschlag et al., 2015). This
may limit the magnitude of impacts to benthic infauna. However, in non-carbonate
sediments, or for large CO, releases, the buffering capacity of the sediments might be



exceeded. In these situations biogenic carbonate structures (bivalve shells, urchin tests and
corals) will undergo dissolution to liberate aqueous carbonate ions. The dissolution of
biogenic calcified structures has been widely reported (Gazeau et al., 2007; Gazeau, 2008,
Byrne et al., 2014) with effects generally more pronounced in juvenile and larval stages
(Talmage and Gobler, 2009; Sheppard Brennand et al., 2010, Stumpp et al., 2012, Long et
al.,, 2013, Hu et al.,, 2014,). However, these impacts are not universal, and notable
exceptions (normal calcification, hypercalcification) have been reported (e.g. Wood et al.,
2008; Miller et al., 2009; Martin et al., 2011, Dorey et al., 2013), especially in situations in
which the exposed shellfish are not resource limited (Thomsen et al., 2013). Ultimately, the
variability in response of closely related species and individuals precludes the formation of
general predictions of likely in situ impact. As such, it is currently necessary to adopt a
precautionary approach to predict the direction and magnitude of calcification responses to
limited CO, release.

In extreme cases of CCS leakage, severe acidification could result in death of the organisms
unable to escape the impacted area. However, this will not be the case for every leak
scenario as many marine species, even some heavily calcified taxa, can tolerate shorter
periods of more moderate acidification. This is because, unlike other potentially toxic
substances, CO, is a naturally occurring and fluctuating compound in the marine
environment. As a result of millions of years of exposure, marine creatures have
incorporated this CO,, along with other elements of carbonate chemistry, into many of their
routine physiological processes. So whilst this means that large changes in seawater
carbonate chemistry can potentially affect many aspects of an organism’s physiology, there
is also the potential for organisms to temporarily alter or adjust their physiology to cope
with these chemical changes. So in addition to the process of extracellular buffering
described previously, many species have been seen to change their respiration rates, their
activity levels and their reproductive outputs when exposed to high CO, (Kroeker et al.,
2013). This response, known as physiological plasticity, affords some protection to
organisms from rapid changes in their environment and can provide temporary protection
against moderate acidification.

Plasticity, however, does not offer permanent protection for any organism against the
impact of CCS leakage on water chemistry. This is because an organism’s ability to express
plastic responses is to a large extent governed by the energy it has available (Thomsen et al.,
2013). To maintain calcification rates under low pH, low carbonate saturation state
conditions, some organisms can temporarily reallocate more energy to this process and use
less energy on other processes such as growth, locomotion or development of reproductive
tissues. In the short term this can be an effective strategy to deal with an acidification shock.
However, if leakage were to persist the increased energetic demand associated with living in
a high CO, environment would inevitably lead to reduced growth and lower reproductive
output or even death, with potential consequences for population development. The
environmental consequences of CO, leakage therefore depend on both the severity and



longevity of the leak. This means that even if a leak is fairly small, if it were to continue for
many years it could ultimately cause some species to die and change the structure and the
function of the community living around the leak.

In addition to physiological plasticity described above, there are 3 other important biological
factors that impact upon the CO, sensitivity of any individual, population or species:

1) Life history stage. Most marine organisms go through a number of different

developmental stages throughout their lives. Often, each of these stages displays very
different physiological, ecological and behavioural traits. In addition, early life stages in
general are less able to compensate for impacts than adult specimens (Hutchinson et al
1998). It is unsurprising therefore that numerous studies have shown large differences in
CO; sensitivity between these stages often with larval or juvenile stages showing greater
sensitivity than adults. So if CCS leakage were to occur the major impact may not be on
adult populations but on juveniles and could have longer term effects on recruitment and
future population success. In addition, even as adults the impacts of CO, exposure could be
greater if it were to occur during periods of high energy demand (e.g. the reproductive
season or periods of intense growth such as moulting).

2) Local adaptation in populations. Recent studies have indicated that there is the potential

for different populations of the same species to become more resilient to elevated CO,
levels through adaption (or acclimatisation) to local conditions. For example, Parker et al.
(2011) showed that cultivated populations of oyster that had been selectively bred to
increase energy efficiency and reduce food demands were better able to cope with high CO,
conditions that the wild population. Such adaptation has also been observed in
phytoplankton (Schliiter et al., 2014).

3) Variability between individuals within a population. It has also been shown that even

individuals from the same population can exhibit a high degree of variability in responses to
CO, (Pistevos et al., 2011). This is often reflected in experiments by an increase in variance
observed in data from high CO, treatments when compared to the controls. Chronic
exposure of a population to sub-lethal CO, concentrations could thus in theory result in
selection of the less sensitive individuals. In addition to the adaptation mentioned above
this would then increase the population’s resilience but potentially adversely reduce genetic
diversity of the species in future generations.

The presence of heavy metals can also affect the impacts of CCS leakage. Acidification of the
pore water will increase the mobility of metals bound within the sediment as has been
demonstrated in laboratory investigations (Romand de Orte et al., 2014). Mobile metals
including Al, Fe, Zn, Co, Pb and Cu have all been found to increase in porewaters with
acidification, compounded by increased time of exposure to a CO, leak. Furthermore,
acidification also influences the speciation of metals, transforming metals and metalloids,
like As, into species much more available and toxic to biota (e.g. Di Toro et al.,, 2009).



Although some mobilisation of heavy metals was seen in the short-term QICS release
experiment, these did not exceed environmental impact thresholds (Lichtschlag et al., 2015)

Finally, organisms interact and are commonly confronted simultaneously with multiple
environmental stresses (e.g. temperature, hypoxia, food shortage, suspended matter)
compounding the impact of any single environmental stress (such as CO, exposure from CCS
leakage) and severely inhibiting the scope for physiological and behavioural adjustments to
overcome that stress (Riedel et al., 2014; Queirds et al, 2015). It is unlikely therefore that
hypercapnia will act as a single stressor, and caution is needed when assessing tolerances of
species to environmental perturbations from studies that have only factored in one variable.
Moreover, marine ecosystems are under increasing pressure from a range of anthropogenic
activities like fishing, pollution and habitat destruction. Benthic trawling has a widespread
and significant impact on benthic communities, causing changes in structure (species
density and diversity) and functioning (production, bioturbation and biogeochemical
processes) (Kaiser et al., 2002; Thrush and Dayton, 2002). It is likely that such modified
communities will react differently to increased CO, concentrations than undisturbed
communities. They might be more sensitive to this additional stressor, but could also turn
out to be less sensitive as the most sensitive species have already disappeared.

4.4. Monitoring and baseline acquisition for impact assessment

4.4.1. Biochemical baselines

Understanding the natural variability of carbonate chemistry in marine systems is an
important aspect of predicting what level of perturbation could lead to impacts and
ensuring the accurate attribution of observed changes. Since 2005 a far better evidence
base describing the mechanisms of variability of coastal systems has emerged, especially for
systems such as the North West European Shelf (e.g. Thomas et al., 2005; Artioli, 2013;
Rippeth et al., 2014). However there is a significant bias in observations towards surface
waters. It is clear from these studies that significant heterogeneity exists and consequently
specific baseline monitoring should be undertaken for each individual storage site. Primarily
baselines will be of interest for monitoring and for that purpose will need to resolve changes
over relatively short time scales. For impact assessment the key criteria will be to determine
the seasonal range of carbonate chemistry (similar to Figure 3). Measurements will be
required at the sea floor throughout an annual cycle perhaps on a monthly basis, with
higher frequency observations at selected times, for example corresponding with periods of
high biological activity or changes in riverine forcing. Models, if used in combination with
observations can provide a comprehensive synthesis of sparse data.

Other parameters such as nutrient levels and oxygen concentration have major implications
for marine ecosystems and an understanding of how these relate to natural fluctuations can
be important for attribution and monitoring. In particular a process-based approach (using



ratios of CO,:0,:Nutrients departing from relationships governed by respiration and
photosynthesis and rapid changes in CO, not associated with physical changes signified by
changing temperature) similar to that proposed onshore by Romanak et al. (2012a, 2014)
may have utility, although no proof of concept yet exists for marine systems. In summary
near sea floor measurements of pH, pCO,, temperature, O, and nutrients, at monthly-
weekly timescales, are likely to be needed to define baselines.

4.4.2. Biological baselines

Given the huge amount of temporal and spatial biological variability that exists in any given
local system, it can be difficult to define a specific, constant condition or value that would
identify a pristine, undisturbed, or “baseline” condition, especially when using ecological
parameters such as diversity, abundance or biomass. Rather, in undisturbed conditions
these parameters will fluctuate within a dynamic range, with a mean value that varies
temporally and spatially, within a measurable interval. This has significant implications for
detecting and monitoring potential impacts of CCS on marine communities as well as for the
definition of adequate baselines for areas of the seabed where CCS will take place.
Ultimately any monitoring or baseline activities will require an ability to capture these local
and regional natural biological dynamics and document any existing disturbance of the
ecosystem.

While it is unreasonable to suggest that baseline surveys should aim to comprehensively
guantify local long-term dynamics of the large areas of the seabed above CO, reservoirs,
some understanding of seasonal dynamics, types of habitats covered and a reasonable
mapping of ongoing parallel pressures (e.g. seasonal hypoxia, trawling grounds) is
necessary. While some or all of these aspects are already regularly monitored by marine
users and academia, it is important to highlight the need for an understanding of local
ranges of stressors which may be exacerbated by potential CCS impact scenarios. In
particular, given the evidence described in this paper and in the wider CCS and OA
literature, determining vulnerability to risk factors associated with CCS will require some
degree of understanding of what range for each of the parameters (pH, TA, DIC, O, , salinity)
natural communities have adapted to. This is because there is wide evidence to support the
perspective that local adaptation determines the response of individual species and
populations to environmental change (e.g. Eliason et al., 2010; Morley et al., 2009). As such,
baseline characterisation should aim also to cover such parameters.

4.4.3. Monitoring for impact assessment

A fully quantified assessment of impact relating to a seepage of CO, will be immensely
challenging, given both the limited accessibility of the sea floor and the complexity of the
marine ecosystem. Two questions are really pertinent; firstly is any impact significant and,
secondly, over what time scale does recovery occur? The initial indicator of impact potential



is an assessment of the degree and duration of chemical perturbation — how much has pH
decreased, for how long and over what area? If pH changes are sufficiently large, long term
or extensive then a biological characterisation of the impacted area is appropriate,
referenced to similar, nearby unimpacted areas and baseline observations. This monitoring
should involve determining the identity, abundance, biomass and distribution of seabed
fauna. This can be satisfactorily achieved by standard sediment core sampling, deployed
from larger research vessels. In post-injection surveys, observers should be looking, in
particular, for changes in the community structure and diversity of infaunal organisms that
have been shown to be sensitive to CO, impact (e.g. Widdicombe et al., 2015; Widdicombe
et al.,, 2009). For CCS leakage, these changes could be a reduction in the presence of,
juveniles of calcified taxa or a reduction in the occurrence of calcium carbonate structures
(e.g. shells and exoskeletons).

Microbial gene analysis may also be a powerful indicator of CO, specific changes to
microbial populations (Tait et al., 2015); microbially mediated impacts could be assessed by
determining changes in chemical profiles within sediments or between the sediments and
water column. As with all biological indicators, understanding their natural temporal
variability from comprehensive baseline data will be needed to discriminate possible
impacts from CO, leakage. Not only is this important for identifying impact but also in
guarding against the false attribution of natural changes, or changes due to other stressors,
to CCS activities. By adopting effective biological monitoring operators and regulators could
address both potential impacts and boost public confidence. The QICS experiment
(Blackford et al., 2014,) indicated that impacts are likely to appear within a few weeks of
seepage initiation, and recovery may occur relatively soon after seepage cessation. Any
temporal sampling strategy would need to be informed by the specific characteristics of any
given leakage event, but surveys targeted a month after initial detection and a month after
cessation would be an initial recommendation. Whilst biological impact understanding
remains less than complete, progress since 2005 is considerable and we can now identify
monitoring strategies that are appropriate for CCS activities.

Certain ecosystem changes could be indicative of leakage and its impact. For example the
appearance of infauna or microbial mats on the sediment surface or the development of
phytoplankton blooms (e.g. Murray et al., 2013; RISCS, 2014). However, these may not be
caused by CO, leakage and are likely to be transient, so may not be a reliable monitoring
tool.

4.5. Significant gaps requiring further research

Whilst the characterisation of ecological sensitivities to high CO, has advanced significantly
over the last decade there are some knowledge gaps that have emerged and are candidates
for further research. Arguably the most pressing stems from the identification of saline
aquifers as significant storage options, and the possibility for impacts from displaced hyper



saline anoxic formation water. Other questions that have arisen from recent research are
the lack of knowledge of the effects of long term exposure to high CO,, especially relating to
the buffering capacity of sediments and the chronic effects of exposure. In terms of
approaches, models that can coherently address a larger range of leakage scenarios and
experiments that address whole ecosystem effects— such as injections and analogue work
and more realistic exposure scenarios, are most likely to provide new insights.

The injection of gas into sub-seabed aquifers or depleted hydrocarbon fields could lead to
the displacement of fluids low in oxygen and highly enriched in ions, which, if they reached
the seabed, could bring about a strong change in environmental conditions. The majority of
deep aquifers in the North Sea are filled with high salinity formation (Warren and Smalley,
1994; Evans et al, 2003), in some cases in excess of 300 psu, a value similar to that of the
Dead Sea (=340 psu). If these reached the seabed, they could cause an up to ten-fold
increase in local salinity, thus representing a potentially severe osmotic shock to organisms.
Their ability to cope with such disturbances, as with pH, will depend upon their tolerance to
the changing conditions (low oxygen and/or high salinity), and also on the magnitude and
duration of the event. The width of that tolerance window will depend on the comparative
range of each of the parameters typically experienced by the community in each area of the
seabed. Environments of high salinity and low oxygen do exist naturally (Helly et al., 2004,
e.g. the Red Sea, some areas of the Arabian Sea). However, this combination of stressors as
a transient disturbance, is not often observed in nature other than in estuarine
environments and coastal lagoons, where strong variation in the flow of rivers is observed
seasonally (e.g. Newton and Mudge, 2003). In all cases, marine life inhabiting such extreme
environments will have undergone selection and adaptation, and may be well equipped to
survive such harsh conditions, at least seasonally. However, benthic organisms inhabiting
the comparably more stable and hospitable seabed areas, where CCS injection is likely to
occur, will not have experienced such processes, and would likely exhibit low tolerance to
very marked environmental gradients. There is currently limited data availability (although
see Hannis et al., 2013) about the plausibility and scale at which formation water release
might occur in a commercial CO, storage operation, specifically its duration, volumes
released, extent of impact areas, or dissolution rates. This gap needs to be addressed.
However, these parameters are likely to depend on the particular characteristics of the
aquifer explored, the nature of the overburden, the rate of injection and local
hydrodynamics.

There are currently very few studies published which have exposed natural marine systems
to elevated levels of CO,, but when managed (Blackford et al., 2014) have provided
significant new insights into geophysical, chemical, biological and social impacts. In order to
appreciate the full range of responses observed across different benthic habitats and
communities, more of these large exposure experiments need to be conducted on a greater
variety of benthic systems and including longer term relatively low exposure levels.
Experiments need to incorporate more realistic exposure scenarios. The vast majority of CO,



exposure studies conducted to date have used continuous levels of CO, exposure. However,
results from both models and observations have shown that, due to local hydrodynamics,
such as tides and currents, benthic systems will most likely be exposed to CO, levels which
can fluctuate and pulse with time. This periodic exposure to high CO, could have very
different effects on marine organisms and communities and needs to be more fully tested. A
first mesocosm experiment indicated that some fluctuating in CO; levels reduced the impact
on adult bivalves compared to continuous exposure. In this pilot study, however, the
fluctuation of the pH was relatively small (Klok et al., 2014). Further mesocosm testing of
the impact of the fluctuations as predicted by model calculations are required to better
assess the potential impact of CO, released in the marine environment.

The majority of data on high CO, impacts currently available have come from experiments
that increase the CO, content of the overlying water. Whilst this approach is appropriate for
studying the effects of a dense, CO, -enriched plume, it does not adequately replicate the
effects of CO, migrating up through the sediment and interacting with the pore waters. This
is much more difficult to simulate in laboratory conditions but nevertheless would be the
primary method of impact at the centre of any leak. The QICs experiment (Blackford et al.,
2014) that achieved an injection from below demonstrated that this is an important
consideration for understanding impacts and more such experiments are urgently needed.

Finally, whilst great progress has been made with models, very fine scale plume models do
not yet include very realistic hydrodynamics, and realistic hydrodynamic models do not
adequately resolve plumes. Whilst both have adequate carbonate chemistry, neither
sufficiently include ecosystem processes at the same time as simulating leakage scenarios.
The individual model tools are all available, but their synthesis is required to optimise the
utility of model-driven research.

5. Conclusions

Since the publication of the IPCC Special Report in 2005 there has been a significant focus
worldwide on the potential impacts of leakage from geological storage of CO,. Projects have
examined possible effects on near surface ecosystems, both onshore and offshore, and on
underground drinking water supplies. Much of this work has arisen from developing
regulations for CCS. However, relevant information has also come from other avenues of
research, most notably from investigation of other impacts on groundwater and from ocean
acidification. In 2005, there was in particular a dearth of studies on possible risks to potable
groundwater and the marine environment. Major strides have been taken in both research
fields in the last ten years, although some gaps remain in all areas of impacts research.

Research has included continued observations at natural CO, seepage sites, although these
may or may not be good analogues of storage sites. It has also involved laboratory
experiments and, in particular, the last decade has seen the development of field injection



experiments. Whilst only some of these experiments have been primarily designed for
impacts studies the majority have provided at least some useful results in that respect. Most
field experiments to date have been onshore, but there has been at least one significant
offshore injection and release test and a few smaller in situ experiments involving benthic
chamber landers. Experimental work has been backed up, in most cases, by modelling, both
to extend the scope of the investigations and to help understand processes.

The environmental impacts of leakage appear, in many cases, to be restricted both in spatial
and temporal extent. Emissions at the land surface or the sea bed commonly occur at a
number of small seeps typically metres to tens of metres across. These cover only a small
percentage of the total surface area over which seepage may occur, thus the majority of the
ground or seabed above the CO, plume at depth will probably not be affected. This
contrasts with other ecosystem impacts such as severe weather, pests and diseases, or
anthropogenic effects such as trawling, which may be much more widespread. Modelling
suggests that flow follows preferential higher permeability pathways (e.g. fractures) giving
rise to the restricted surface expressions of leakage.

CO, is dispersed on entering an aquifer, seawater or the atmosphere. It may therefore affect
a much larger area/volume than that below ground or the seabed. However, this is offset by
the efficiency of dispersion, buffering, sorption/desorption and other processes and their
ability to reduce CO, concentrations, or associated parameters such as pH, and therefore
ameliorate their impact.

The size of the impact will depend on leakage flux rates and areas and, more importantly,
their effect on CO, concentrations. Flux rates and areas have been examined through
consideration of possible leakage scenarios with flow associated with boreholes or faults
remaining the likeliest possibilities. They have been assessed from natural CO, releases,
actual borehole emissions, and through modelling of both styles of leakage. A wide range of
values seem plausible, with high rates possible from certain well leakage scenarios. It can be
assumed that such cases would be rare and likely to be detected and remediated quickly.
Similar assumptions can be made for large scale pipeline releases. The size of impact might
therefore be mitigated by the short duration of the event. Rates of fault leakage are likely to
be lower but harder to locate and remediate.

The conditions arising from CO, leakage need to be viewed in the context of the pre-existing
range of values both to identify possible leakage and evaluate its impact. There are far more
data on baseline values for near surface gases onshore than offshore. There is a general lack
of near seabed measurements of pCO, or associated parameters such as pH. It is, however,
known that marginal marine ecosystems have very variable carbonate chemistry and pH can
vary by more than 1 pH unit. In oceanic settings the range may be 0.3 pH units or less.
Observations in aquifers have shown that there can also be quite considerable variability of
pH in time and space with ranges of 1-2 pH units being not uncommon. Stratification can
occur in both aquifers and the deeper parts of shelf seas.



Visible stress has been observed in a range of land plants when shallow (30 cm depth) CO,
concentrations exceed 10%. However, this is not always apparent if the plants were well
established before exposure to CO,; for example, autumn sown oilseed rape showed no
obvious visible effects but the yield was impacted. Other plants, such as beetroot, had
reduced leaf weight but this had no effect on the yield. In pasture vegetation, grasses were
more tolerant of CO, than most broad-leaved plants with the exception of species of certain
very tolerant genera such as Polygonum. There appear to be effects arising from both higher
CO, concentrations and depletion of oxygen.

The relative anoxia that accompanies higher CO; levels is reflected in microbial responses by
a switch in the community towards functional groups using anaerobic respiration. However,
when CO;, levels get closer to the upper limits of the natural background range the impact of
CO, appears to more difficult to separate from effects caused by other sources of stress,
such as drought or waterlogging.

Shallow groundwater and marine impacts could be from CO, leakage and/or brine
displacement from deeper more saline aquifers. Lab experiments suggest overall that
mobilisation of potentially hazardous elements can be self-regulating as buffering of pH
leads to adsorption of mobilised elements. However reaction and element release rates
were far greater in the lab than in field experiments under more realistic conditions. Field
experiments highlighted the natural variability of aquifer properties, and, with a few
exceptions, most elements remained below drinking water limits.

The impact of both CO, and brine leakage on aquifers has been studied over larger areas at
a number of natural sites where some redox mobilisation of Fe and Mn has been observed
but potentially more toxic elements, such as As, were sorbed onto oxides. Thus the impact
of potentially hazardous elements appears limited, as in the smaller scale experiments.

There have been relatively fewer studies of impacts through offshore observations and in
situ experiments because of the greater logistical complexity and cost. There has therefore
been more reliance on lab experiments with modelling to further understanding and extend
to a larger scale. This has shown the importance of considering local (site-specific)
conditions of topography and water movement as well as temporal variability, including
both seasonal and weather-related effects, when considering possible impacts.

Natural CO, seeps offshore provide useful information on impacts but may not be true
analogues of CO, leakage from geological storage. They are often in different geological
settings (e.g. volcanic) so styles and rates of CO, emission may be different. They may
contain significant amounts of other contaminants (e.g. gases such as H,S, trace metals) that
might not be released from CO,; storage. Although this may allow the effect of impurities to
be studied, these other components can complicate assessment of impacts from CO, alone.
Also, as for onshore examples, the benthic ecosystem has adapted to the presence of CO,.
These sites are useful, however, to understand particular leakage styles and rates, and how



the CO, is dissolved, transported, and mixed/diluted in the water column (e.g. pulsed
exposure), all issues that will influence and control its eventual impact. The recent
experimental release of CO, through the seabed for the QICS experiment is an important
addition to impacts research. Although there were impacts near the bubble plumes at QICS
(reduced numbers of individuals and species diversity) recovery was rapid over a matter of a
few weeks.

Offshore organisms can, to varying degrees, cope with the acidification of seawater caused
by CO, escape. This depends on the energy available to them and may come at the expense
of growth, reproduction or other processes. The ability to cope with the change also
depends on its severity and longevity and the life history stage during exposure. It also
depends on whether the ecosystem is under additional stress, for example due to it being a
marginal environment for certain species or through external factors such as pollution or
trawling.

The restricted spatial extent of surface leakage has implications for monitoring. This needs
to be able to cover the large areas of storage sites but be capable of detecting small leakage
features. Remote sensing provides the large areal coverage onshore, although only allowing
responses to be detected where there is surface vegetation, but so far is unable to
distinguish CO,-specific responses from other causal mechanisms. Wide area coverage
offshore is being developed through the use of chemical and acoustic sensors mounted on
AUVs or a current UK project (ETI MMV study). The responses of marine organisms to CO,
leakage, such as surfacing of infauna, development of microbial mats or phytoplankton
blooms, might be used as leakage or impact indicators, but are unlikely to be a primary
monitoring tool.

Single plumes of impacted groundwater will also be limited in extent in unconfined aquifers
and difficult to detect. There will be more of a tendency towards a larger plume of CO; at
the top of a confined aquifer. There is thus a similar difficulty in detecting small leakage
anomalies over wide areas. This is exacerbated by the use of many downhole techniques,
which provide very restricted horizontal coverage. It has been shown, however, that the
pressure response in a confined aquifer, or the reservoir for an open aquifer, may be
detectable over a wider area than more traditional geochemical or related parameters. The
probability of detection may be enhanced by careful siting of new monitoring wells but this
cannot be done if only existing wells are available. Indications from deeper monitoring or
near surface techniques could help to focus aquifer investigations. Some geophysical
techniques, such as electrical resistivity, show promise for wider area monitoring.

Continuous monitoring and modelling suggests that leakage (even at a constant rate) does
not give rise to exposure to constant levels of CO, (or pH etc). Rather exposure varies as a
result of external influences. Thus a groundwater plume will respond, for example, to
groundwater flow and interactions which depend on aquifer mineralogy. Onshore surface
releases are affected by soil moisture, atmospheric pressure and wind speed. Offshore



leakage is affected by the tide, seasonal and weather related factors as well as topography.
There can therefore be quite large swings in CO;, concentration, and other parameters, that
need to be factored in when considering impacts. This has yet to be done in most lab
experiments, but of course happens for longer term in situ experiments or at natural sites,
although the full extent of the variation and its effect on impacts is not always considered
fully.

Observations and modelling of leakage into the marine environment suggest that, although
free gas may reach the sea surface in shallow water, rapid dissolution occurs, producing
dissolved CO, plumes near the seabed.

5.1. Gaps

There remains a need to constrain more tightly the most likely leakage scenarios and define
the range of fluxes and areas associated with them. This may be possible through a careful
study of the most analogous natural occurrences of CO, release through faults/fractures e.g.
focussing on sedimentary basins rather than volcanic terrains. It may also be possible to use
more sophisticated information on fault properties (e.g. permeability, capillary entry
pressure, thickness) from both field observations, and parameters used in petroleum
reservoir flow simulators, to provide more realistic models of CO, or brine flow rates and
areas of release. The outputs from such studies could then be fed into more rigorous
experiments, detailed study of truer analogues and further modelling to assess the likely
impacts.

Baseline measurements are more numerous onshore than near the seabed. However, there
is a need to expand the range of onshore environments covered and for far more offshore
observations of the variability of pCO, and pH, both spatially and temporarily. Baseline
variability, and the covariance of other parameters in natural processes, can be used to help
recognise leakage.

There has been relatively little consideration of brine leakage and the possibilities of this at
different types of storage site and the consequences of any leakage merit further
consideration. There has also been very little work on the possible impacts of impurities in
the injected CO, and whether these could contribute to additional impacts.

Further injection experiments in natural onshore and marine systems are required to assess
responses and recovery under the most realistic conditions in a wider range of
species/ecosystems/aquifer types. Onshore studies have not explored the influence of soil
type, mobilisation of potentially harmful elements, effect on soil fertility or need for
remediation. Offshore tests and mesocosm experiments need to explore the effect of the
pulsing of pH values shown by observations and models and assess possible chronic effects
from longer term lower level exposure.



Further synthesis is needed of fine scale plume, hydrodynamic and biogeochemical models
offshore. Onshore modelling has been fairly limited for the near surface and further
development of the soil-plant system and consideration of whether leakage scenarios could
directly impact man or other animals would be desirable. A more integrated approach
combining modelling, laboratory and field studies of a wider range of aquifer and leakage
types is needed.

Acknowledgements

This paper has drawn on the results of many studies. We would like to acknowledge in
particular our involvement in a number of these and the many colleagues who contributed.
These include the FP6 European Network of Excellence CO,GeoNet; Research into Impacts
and Safety in CO, Storage (RISCS), funded by the EC 7" Framework Programme (Project No.
240837) and by industry partners ENEL, I&I, Statoil, Vattenfall AB, E.ON and RWE; ECO2 -
Sub-seabed CO, Storage: Impact on Marine Ecosystems, also funded by the EC 7th
Framework Programme (Project No. 265847) and QICS - Quantifying and monitoring
potential ecosystem Impacts of geological Carbon Storage, funded by NERC
(NE/H013962/1), the Scottish Government and METI/MEXT of Japan. The comments and
suggestions of three anonymous reviewers are gratefully acknowledged.

References

Aiuppa, A., Federico, C., Allard, P., Gurrieri, S., Valenza, M. 2005. Trace metal modeling of
groundwater-gas-rock interactions in a volcanic aquifer: Mount Vesuvius, Southern Italy.
Chemical Geology, 216, 289-311.

Alberta Energy, 2013. Carbon Capture and Storage - Summary Report of the Regulatory
Framework Assessment. Alberta Energy, Edmonton.

Apostolaki, E.T., Vizzini, S., Hendriks, I.E., Olsen Y.S. 2014. Seagrass ecosystem response to
long-term high CO, in a Mediterranean volcanic vent. Mar. Environ. Res., 99, 9-15.

Appelo, C.A.J., Postma, D. 2005. Geochemistry, groundwater and pollution, 2nd edition. A.A.
Balkema, Leiden.

Artioli, Y; Blackford, JC; Butenschon, M; Holt, JT; Wakelin, SL; Thomas, H; Borges, AV; Allen,
JI. 2012 The carbonate system of the NW European shelf: sensitivity and model validation.
Journal of Marine Systems, 102-10. Jan-13. D0i:10.1016/j.jmarsys.2012.04.006

Artioli, Y; Blackford, JC; Nondal, G; Bellerby, RGJ; Wakelin, SL; Holt, JT; Butenschon, M; Allen,
JI. 2014 Heterogeneity of impacts of high CO, on the North Western European Shelf.
Biogeosciences, 11, 601-612. Doi: 10.5194/bg-11-601-2014

Bateson, L., Vellico, M., Beaubien, S.E., Pearce, J.M., Annunziatellis, A., Ciotoli, G., Coren, F.,
Lombardi, S., Marsh, S. 2008. The application of remote-sensing techniques to monitor CO,-
storage sites for surface leakage: Method development and testing at Latera (ltaly) where



naturally produced CO, is leaking to the atmosphere. Int. J. Greenhouse Gas Control, 2, 388-
400.

Beaubien, S.E., Bigi, S., Lombardi, S., Sacco, P., Tartarello, M.C. 2014a. Groundwater changes
caused by flow through naturally occurring gas (+/- water) leakage points, Fourth EAGE CO,
Geological Storage Workshop, Stravanger, Norway.

Beaubien, S.E., Ciotoli, G., Coombs, P., Dictor, M.C., Kriiger, M., Lombardi, S., Pearce, J.M.,
West, J.M. 2008. The impact of a naturally occurring CO, gas vent on the shallow ecosystem
and soil chemistry of a Mediterranean pasture (Latera, Italy). Int. J. Greenhouse Gas Control,
2,373-387.

Beaubien, S.E., Jones, D.G., Gal, F., Barkwith, A.K.A.P., Braibant, G., Baubron, J.C., Ciotoli, G.,
Graziani, S., Lister, T.R., Lombardi, S., Michel, K., Quattrocchi, F., Strutt, M.H., 2013.
Monitoring of near-surface gas geochemistry at the Weyburn, Canada, CO,-EOR site, 2001—
2011. Int. J. Greenhouse Gas Control, 16, Supplement 1, S236-5262.

Beaubien, S.E., Ruggiero, L., Annunziatellis, A., Bigi, S., Ciotoli, G., Deiana, P., Graziani, S.,
Lombardi, S., Tartarello, M.C. 2014b. The Importance of Baseline Surveys of Near-Surface
Gas Geochemistry for CCS Monitoring, as Shown from Onshore Case Studies in Northern
and Southern Europe. Oil Gas Sci. Technol. — Rev. IFP Energies nouvelles, 1-19.

Bellante, G.J., Powell, S.L.,, Lawrence, R.L., Repasky, K.S., Dougher, T.A.O. 2013. Aerial
detection of a simulated CO, leak from a geologic sequestration site using hyperspectral
imagery. Int. J. Greenhouse Gas Control, 13, 124-137.

Blackford, J. C., Allen, J. ., and Gilbert, F. J.2004. Ecosystem dynamics at six contrasting sites:
a generic modelling study, J. Mar. Syst., 52, 191-215.

Blackford, JC; Jones, N; Proctor, R; Holt, JT. 2008. Regional scale impacts of distinct CO2
additions in the North Sea. Marine Pollution Bulletin, 56, 1461-1468.
D0i:10.1016/j.marpolbul.2008.04.048

Blackford, JC; Jones, N; Proctor, R; Holt, JT; Widdicombe, S; Lowe, DM; Rees, AP. 2009. An
initial assessment of the potential environmental impact of CO2 escape from marine carbon
capture and storage systems. Proceedings of the Institution of Mechanical Engineers Part a-
Journal of Power and Energy, 223, 269 - 280. D0i:10.1243/09576509JPE623

Blackford, JC; Stahl, H; Bull, JM; Berges, BJP; Cevatoglu, M; Lichtschlag, A; Connelly, DP;
James, RH; Kita, J; Long, D; Naylor, M; Shitashima, K; Smith, D; Taylor, P; Wright, I; Akhurst,
M; Chen, B; Gernon, TM; Hauton, C; Hayashi, M; Kaieda, H; Leighton, TG; Sato, T; Sayer,
MDJ; Suzumura, M; Tait, K; Vardy, ME; White, PR; Widdicombe, S. 2014. Detection and
impacts of leakage from sub-seafloor deep geological carbon dioxide storage. Nature
Climate Change, 4, 1011-1016. DOI: 10.1038/NCLIMATE2381

Blackford J., Bull J.M., Cevatoglu M., Connelly D., Hauton C., James R.H., Lichtschlag A., Stahl
H., Widdicombe S., Wright I.C. 2015. Marine baseline and monitoring strategies for Carbon
Dioxide Capture and Storage (CCS). Int J Greenhouse Gas control. Doi:
10.1016/j.ijggc.2014.10.004



Blackford, JC; Torres, R; Artioli, Y; Cazenave, P. 2013 Modelling dispersion of CO, plumes in
sea water as an aid to monitoring and understanding ecological impact. Energy Procedia, 37,
3379 - 3386. Doi: 10.1016/j.egypro.2013.06.226

Bond, A.E., Metcalfe, R., Maul, P.R., Suckling, P., Thatcher, K., Walke, R., Smith, K., Rasse, D.,
Steven, M., Jones, D. 2013. Systems Analysis of Field and Laboratory Experiments
Considering Impacts of CO2 Leakage in Terrestrial Systems. Energy Procedia, 37, 3394-3402.

Brewer, P.G., Friederich, G.,Peltzer E.T. and Orr, F.M.,1999. Direct Experiments on the Ocean
Disposal of Fossil Fuel CO,. Science, 284, 943-945.

Burdett, H.L.,, Carruthers, M., Donohue, P.J.C., Wicks, L.C., Hennige, S.J., Roberts, J.M,,
Kamenos, N.A. 2014. Effects of high temperature and CO, on intracellular DMSP in the cold-
water coral Lophelia pertusa. Marine Biology, 161, 1499-1506.

Byrne, M., Smith, A.M., West, S., Collard, M., Dubois, P., Graba-Landry, A., Dworjanyn, S.A.
2014. Warming influences Mg?* content, while warming and acidification influence
calcification and test strength of a sea urchin. Environmental Science and Technology, 48:
12620-12627.

Cahill, A.G., Jakobsen, R. 2013. Hydro-geochemical impact of CO, leakage from geological
storage on shallow potable aquifers: A field scale pilot experiment. Int. J. Greenhouse Gas
Control, 19, 678-688.

Cahill, A.G., Jakobsen, R., Mathiesen, T.B., Jensen, C.K. 2013. Risks attributable to water
guality changes in shallow potable aquifers from geological carbon sequestration leakage
into sediments of variable carbonate content. International Journal of Greenhouse Gas
Control, 19, 117-125.

Cahill, A.G., Marker, P., Jakobsen, R. 2014. Hydrogeochemical and mineralogical effects of
sustained CO, contamination in a shallow sandy aquifer: A field-scale controlled release
experiment. Water Resources Research, 50, 1735-1755.

Caldeira, K., Wickett, M.E. 2003. Anthropogenic carbon and ocean pH. Nature, 425, 365.

Carbon Dioxide Capture and Storage (CCS) Study Group, 2009. For safe operation of a CCS
demonstration project. Industrial Science and Technology Policy and Environment Bureau,
Ministry of Economy, Trade and Industry, Japan.

Carroll, A.G., Przeslawski, R., Radke, L.C., Black, J.R., Picard, K., Moreau, J.W., Haese, R.R.,
Nichol, S. 2013. Environmental considerations for sub seabed geological storage of CO,: A
review. Cont. Shelf Res., 83, 116-128. Doi: http://dx.doi.org/10.1016/j.csr.2013.11.012i.

Carroll, S., Hao, Y., Aines, R. 2009. Geochemical detection of carbon dioxide in dilute
aquifers. Geochemical Transactions , 4, 1-18. do0i:10.1186/1467-4866-10-4

Carroll, S.A., Keating, E., Mansoor, K., Dai, Z., Sun, Y., Trainor-Guitton, W., Brown, C., Bacon,
D. 2014. Key factors for determining groundwater impacts due to leakage from geologic
carbon sequestration reservoirs. International Journal of Greenhouse Gas Control, 29, 153-
168.



Cevatoglu M. et al, Gas migration pathways, controlling mechanisms and changes in
sediment acoustic properties observed in a controlled sub-seabed CO, release experiment.
International Journal of Greenhouse Gas Control, submitted.

Chen, B,, Y. Song, M. Nishio, S. Someya, and Akai, M. 2005. Modeling near-field dispersion
from direct injection of carbon dioxide into the ocean, J. Geophys. Res., 110, C09515,
doi:10.1029/2004JC002567.

Choi, B.Y., Yun, S.T., Mayer, B., Hong, S.Y., Kim, K.H., Jo, H.Y. 2012. Hydrogeochemical
processes in clastic sedimentary rocks, South Korea: A natural analogue study of the role of
dedolomitization in geologic carbon storage. Chemical Geology, 306-307, 103-113.

Cigliano, M., Gambi, M.C., Rodolfo-Metalpa, R., Patti, F.P., Hall-Spencer, J.M. 2010. Effects of
ocean acidification on invertebrate settlement at volcanic CO, vents. Mar. Biol., 157, 2489—
2502.

Coudrain-Ribstein, A., Gouze, P., de Marsily, G., 1998. Temperature-carbon dioxide partial
pressure trends in confined aquifers. Chemical Geology, 145, 73-89.

Couto, R.P., Neto, A.l, Rodrigues, A.S. 2012. Limpet shell modifications at intertidal
hydrothermal vents. Journal of Integrated Coastal Zone Management 12, 253-256.

Crook, E.D., Potts, D., Rebolledo-Vieyra, M., Hernandez, L., Paytan, A. 2012. Calcifying coral
abundance near low-pH springs: implications for future ocean acidification. Coral Reefs, 31,
239-245.

Dauwe, B., Herman, P.M., Heip, C. 1998. Community structure and bioturbation potential of
macrofauna at four North Sea stations with contrasting food supply. Marine Ecology
Progress Series, 173, 67-83.

de Beer, D., Haeckel, M., Neumann, J., Wegener, G., Inagaki, F., Boetius, A. 2013. Saturated
CO; inhibits microbial processes in CO,-vented deep-sea sediments. Biogeosci. Discuss., 10,
1899-1927.

de Caritat, P., Hortle, A., Raistrick, M., Stalvies, C., Jenkins, C. 2013. Monitoring groundwater
flow and chemical and isotopic composition at a demonstration site for carbon dioxide
storage in a depleted natural gas reservoir. Applied Geochemistry, 30, 16-32.

Dewar, M., Wei, W., McNeil, D., Chen, B. 2013. Small scale modelling of the physio-chemical
impacts of CO, leaked from sub-seabed reservoirs or pipelines within the North Sea and
surrounding waters. Mar. Pollution Bull., 73, 504-515.

Dewar M., Sellami N., Chen B. 2015. Dynamics of rising CO,bubble plumes in the QICS field
experiment. Part 2 — Modelling. International Journal of Greenhouse Gas Control.
Doi:10.1016/j.ijggc.2014.11.003

Dias, B.B., Hart, M.B., Smart, C.W., Hall-Spencer, J.M. 2010. Modern seawater acidification:
the response of foraminifera to high CO, conditions in the Mediterranean Sea. J. Geol. Soc.
London, 167, 843—846.



Dickson, A.G., Sabine, C.L., Christian, J.R. 2007. Guide to Best Practices for Ocean CO,
Measurements Special Publication 3. PICES, p. 191.

Di Toro, D.M., Allen, H.E., Bergman, H.L., Meyer, J.S., Paquin, P.R., Santore, R.C. 2009. Biotic
ligand model of the acute toxicity of metals. 1. Technical basis. Environ. Toxicol. Chem., 20,
2383-2396.

Dixon, T., Greaves, A., Christophersen, O., Vivian, C., Thomson, J. 2009. International marine
regulation of CO, geological storage. Developments and implications of London and OSPAR.
Energy Procedia, 1, 4503-4510.

Dixon, T., McCoy, S.T., Havercroft, I., 2015. Legal and Regulatory Developments on CCS. Int.
J. Greenhouse Gas Control 40, 431-448.

Donohue, P.J.C., Calosi, P., Bates, A.H., Laverock, B., Rastrick, S., Mark, F.C., Strobel, A.,
Widdicombe, S. 2012. Impact of exposure to elevated pCO; on the physiology and behaviour
of an important ecosystem engineer, the burrowing shrimp Upogebia deltaura. Aguatic
Biology, 15, 73-86

Dorey, N., Melzner, F., Martin, S., Oberhaensli, F., Teyssie, J.L., Bustamante, P., Gattuso, J.P.,
Lacoue-Labarthe, T. 2013. Ocean acidification and temperature rise: effects on calcification
during early development of the cuttlefish Sepia officinalis. Marine Biology, 160, 2007-2022

Edmunds, W.M., Shand, P. 2009. Groundwater Baseline Quality, in: Edmunds, W.M., Shand,
P. (Eds.), Natural Groundwater Quality. Blackwell Publishing Ltd, Oxford, pp. 1-21.
doi: 10.1002/9781444300345.fmatter

Eliason, E.J., et al. 2011. Differences in thermal tolerance among sockeye salmon
populations. Science, 332.6025, 109-112.

Elio, J., Nisi, B., Ortega, M.F., Mazadiego, L.F., Vaselli, O., Grandia, F. 2013. CO, soil flux
baseline at the technological development plant for CO, injection at Hontomin (Burgos,
Spain). Int. J. Greenhouse Gas Control, 18, 224-236.

Ellis, R.P., Widdicombe, S., Parry, H., Hutchinson, T.H., Spicer, J.I. 2015. Pathogenic challenge
reveals immune trade-off in mussels exposed to reduced seawater pH and increased
temperature. Journal of Experimental Marine Biology and Ecology, 462, 83-89.

Emberley, S., Hutcheon, I, Shevalier, M., Durocher, K., Mayer, B., Gunter, W.D., Perkins, E.H.
2005. Monitoring of fluid-rock interaction and CO, storage through produced fluid sampling
at the Weyburn CO,-injection enhanced oil recovery site, Saskatchewan, Canada. Applied
Geochemistry, 20, 1131-1157.

European Commission, 2011. Implementation of Directive 2009/31/EC on the Geological
Storage of Carbon Dioxide: Guidance Document 2: Characterisation of the Storage Complex,
CO, Stream Composition, Monitoring and Corrective Measures.

European Union, 2009. Directive 2009/31/EC of the European Parliament and of the Council
of 23 April 2009 on the geological storage of carbon dioxide and amending Council Directive
85/337/EEC, European Parliament and Council Directives 2000/60/EC, 2001/80/EC,



2004/35/EC, 2006/12/EC, 2008/1/EC and Regulation (EC) No 1013/2006 (Text with EEA
relevance).

Evans, D., Graham, C., Armour, A., & Bathurst, P. 2003. The Millennium Atlas: petroleum
geology of the central and northern North Sea. The Geological Society of London, London.

Fabricius, K.E., Langdon, C., Uthicke, S., Humphrey, C., Noonan, S., De’ath, G., Okazaki, R.,
Muehllehner, N., Glas, M.S., Lough, J.M. 2011. Losers and winners in coral reefs
acclimatized to elevated carbon dioxide concentrations. Nat. Clim. Change, 1, 165-169.

Fabricius, K.E., De’ath, G., Noonan, S., Uthicke, S. 2013. Ecological effects of ocean
acidification and habitat complexity on reef-associated macroinvertebrate communities.
Proc. R. Soc., B 281, 20132479.

Fabry, V.J., Seibel, B.A., Feely, R.A., Orr, J.C. 2008. Impacts of ocean acidification on marine
fauna and ecosystem processes.ICES Journal of Marine Science: Journal du Conseil 65, 414-
432.

Fahrner, S., Schafer D., Dethlefsen, F., Dahmke, A. 2012. Reactive modelling of CO, intrusion
into freshwater aquifers: Current requirements, approaches and limitations to account for
temperature and pressure effects. Environmental Earth Sciences, 67, 2269-2283.

Feitz, A., Jenkins, C., Schacht, U., McGrath, A., Berko, H., Schroder, |., Noble, R., Kuske, T.,
George, S., Heath, C., Zegelin, S., Curnow, S., Zhang, H., Sirault, X., Jimenez-Berni, J., Hortle,
A. 2014a. An assessment of near surface CO, leakage detection techniques under Australian
conditions. Energy Procedia, 63, 3891-3906.

Feitz, A.J., Leamon, G., Jenkins, C., Jones, D.G., Moreira, A., Bressan, L., Melo, C., Dobeck,
L.M., Repasky, K., Spangler, L.H. 2014b. Looking for leakage or monitoring for public
assurance? Energy Procedia 63, 3881-3890.

Fernandez-Montiel, |, Touceda, M, Pedescoll, A, Gabilondo, R, Prieto-Fernandez, A and
Bécares, E. 2015. Short-term effects of simulated below-ground carbon dioxide leakage on a
soil microbial community. International Journal of Greenhouse Gas Control, Vol. 36, 51-59.

Flaathen, T.K., Gislason, S.R., Oelkers, E.H., Sveinbjoérnsdottir, A.E. 2009. Chemical evolution
of the Mt. Hekla, Iceland, groundwaters: A natural analogue for CO, sequestration in
basaltic rocks. Applied Geochemistry, 24, 463-474.

Frerichs, J., Oppermann, B.l., Gwosdz, S., Moller, |., Herrmann, M., Kriger, M. 2013.
Microbial community changes at a terrestrial volcanic CO, vent induced by soil acidification
and anaerobic microhabitats within the soil column. FEMS Microbiology Ecology 84, 60-74.

Frye, E., Bao, C., Li, L., Blumsack, S. 2012. Environmental Controls of Cadmium Desorption
during CO, Leakage. Environmental Science & Technology, 46, 4388-4395.

Gabilondo, R., Bécares, E. 2014. The effects of natural carbon dioxide seepage on edaphic
protozoan communities in Campo de Calatrava, Ciudad Real, Spain. Soil Biology and
Biochemistry, 68, 133-139.



Gal, F., Brach, M., Braibant, G., Bény, Claire, Michel, K. 2012. What can be learned from
natural analogue studies in view of CO, leakage issues in Carbon Capture and Storage
applications? Geochemical case study of Sainte-Marguerite area (French Massif Central).
International Journal of Greenhouse Gas Contro,l 10, 470-485.

Gattuso J-P., Hansson L. (eds) 2011. Ocean Acidification. Oxford University Press, Oxford,
352 pp. 978-0-19-959109-1

Gazeau, F, Quiblier, C, Jansen, JM, Gattuso, JP, Middelburg, JJ and Heip, CHR. 2007. Impact
of elevated CO; on shellfish calcification. Geophysical Research Letters, 34: LO7603.

Gazeau, F., (2008) Impact of ocean acidification on marine shellfish. CIESM Workshop
Monographs 36: 81-87.

Geocapacity. 2009. EU Geocapacity: Assessing European capacity for geological storage of
carbon dioxide, Deliverable D16: WP2 Storage capacity, 166pp

Govindan, R., Korre, A., Durucan, S. 2013. Application of an Unsupervised Methodology for
the Indirect Detection of CO2 Leakages Around the Laacher See in Germany using Remote
Sensing Data. Energy Procedia, 37, 4057-4064.

Govindan, R., Korre, A., Durucan, S., Imrie, C.E. 2011. A geostatistical and probabilistic
spectral image processing methodology for monitoring potential CO, leakages on the
surface. Int. J. Greenhouse Gas Control, 5, 589-597.

Graziani, S., Beaubien, S.E., Bigi, S., Lombardi, S. 2014. Spatial and Temporal pCO, Marine
Monitoring Near Panarea Island (Italy) Using Multiple Low-Cost GasPro Sensors.
Environmental Science & Technology, 48, 12126-12133.

Greenwood, J.,, Craig, P., Hardman-Mountford, N. Coastal monitoring strategy for
geochemical detection of fugitive CO2 seeps from the seabed. International Journal of
Greenhouse Gas Control, in press.

Hall-Spencer, J.M., Rodolfo-Metalpa, R., Martin, S., Ransome, E., Fine, M., Turner, S.M,,
Rowley, S.J., Tedesco, D., Buia, M.-C. 2008. Volcanic carbon dioxide vents show ecosystem
effects of ocean acidification. Nature, 454, 96—99.

Hall-Spencer, J.M., Rodolfo-Metalpa, R. 2009. Using scientific diving to investigate the long-
term effects of ocean acidification at CO2 vents. In: Proceedings of the 1st International
Workshop on “Research in shallow marine and fresh water systems” Eds. Merkel B.J. and
Schipek M. May 14-16, 2009. Freiburg, Germany. Freiburg Online Geology. Volume 22, 72-
76.

Hammer, K.M., Pedersen, S.A. 2013. Deep-water prawn Pandalus borealis displays a
relatively high pH regulatory capacity in response to CO,-induced acidosis. Marine Ecology
Progress Series, 492, 139-151.

Hannis S., Bricker S., Goater A., Holloway S., Rushton J., Williams G., Williams J. 2013. Cross-
international Boundary Effects of CO, Injection. Energy Procedia, 37, 4927-4936.



Harvey, O.R., Qafoku, N.P., Cantrell, KJ., Lee, G., Amonette, J.E.,, Brown, C.F. 2012.
Geochemical Implications of Gas Leakage associated with Geologic CO, Storage—A
Qualitative Review. Environmental Science & Technology, 47, 23-36.

Helly, J.J., Levin, L.A., (2004). Global distribution of naturally occurring marine hypoxia on
continental margins. Deep Sea Research Part I: Oceanographic Research Papers 51.9: 1159-
1168.

Hvidevold, H. K., Alendal, G., Johannessen, T., Alia, A., Mannseth, T., Avlesen, H., 2015.
Layout of CCS monitoring infrastructure with highest probability of detecting a footprint of a

CO, leak in a varying marine environment. International Journal of Greenhouse Gas Control
37,274-279.

Hiscock, K., Southward, A., Tittley, I., & Hawkins, S. 2004. Effects of changing temperature
on benthic marine life in Britain and Ireland. Aquatic Conservation: marine and freshwater
Ecosystems, 14, 333-362.

Hofmann, G. E., Smith, J. E., Johnson, K. S., Send, U., Levin, L. A., Micheli, F., Paytan, A., Price,
N. N., Peterson, B., Takeshita, Y., Matson, P. G., Crook, E. D., Kroeker, K. J., Gambi, M. C,,
Rivest, E. B., Frieder, C. A, Yu, P. C,, and Martz, T. R. 2011. High-Frequency Dynamics of
Ocean pH: A Multi-Ecosystem Comparison, PLoS ONE, 6, 28983,
doi:10.1371/journal.pone.0028983,.

Hogan, J.A., Shaw, J.A., Lawrence, R.L., Larimer, R.M. 2012a. Low-cost multispectral
vegetation imaging system for detecting leaking CO, gas. Applied Optics, 51, A59-A66.

Hogan, J.A., Shaw, J.A., Lawrence, R.L., Lewicki, J.L., Dobeck, L.M., Spangler, L.H. 2012b.
Detection of Leaking CO, Gas With Vegetation Reflectances Measured By a Low-Cost
Multispectral Imager. IEEE Journal of Selected Topics in Applied Earth Observations and
Remote Sensing, 5, 699-706.

Hu, M.Y., Castles, |, Stumpp, M, Ortega-Martinez and Dupont, S. 2014. Energy metabolism
and regeneration are impaired by seawater acidification in the infaunal brittlestar Amphiura
filiformis. Journal of Experimental Biology, 13, 2411-2421.

Humez, P., Audigane, P., Lions, J., Chiaberge, C., Bellenfant, G. 2011. Modeling of CO,
Leakage up Through an Abandoned Well from Deep Saline Aquifer to Shallow Fresh
Groundwaters. Transp Porous Med, 90, 153-181.

Humez, P., Lagneau, V., Lions, J., Negrel, P. 2013. Assessing the potential consequences of
CO, leakage to freshwater resources: A batch-reaction experiment towards an isotopic
tracing tool. Applied Geochemistry, 30, 178-190.

Humez, P., Lions, J., Négrel, P., Lagneau, V. 2014a. CO, intrusion in freshwater aquifers:
Review of geochemical tracers and monitoring tools, classical uses and innovative
approaches. Applied Geochemistry, 46, 95-108.

Humez, P., Négrel, P., Lagneau, V., Lions, J., Kloppmann, W., Gal, F., Millot, R., Guerrot, C,,
Flehoc, C., Widory, D., Girard, J.F. 2014b. CO, -water-mineral reactions during CO, leakage:



Geochemical and isotopic monitoring of a CO, injection field test. Chemical Geology, 368,
11-30.

Hutchinson, T.H., Solbe, J. and Kloepper-Sams, P.J. 1998. Analysis of the ECETOC aquatic
toxicity (EAT) database - Il - Comparative toxicity of chemical substances to different life
stages of aquatic organisms. Chemosphere, 36, 129-142.

IPCC. 2005. Special Report on Carbon Dioxide Capture and Storage. Prepared by Working
Group Il of the Intergovernmental Panel on Climate Change. Cambridge University Press,
Cambridge.

Ishida, H., Golmen, L.G., West, J., Kriiger, M., Coombs, P., Berge, J.A., Fukuhara, T., Magi, M.,
Kita, J., 2013. Effects of CO, on benthic biota: An in situ benthic chamber experiment in
Storfjorden (Norway). Marine Pollution Bulletin 73, 443-451.

Jellali, S., Muntzer, P., Razakarisoa, O., Schafer, G. 2001. Large Scale Experiment on
Transport of Trichloroethylene in a Controlled Aquifer. Transport in Porous Media, 44, 145-
163.

Jenkins, C., Chadwick, A., Hovorka, S.D., 2015. The state of the art in monitoring and
verification—Ten years on. Int. J. Greenhouse Gas Control 40, 312-349.

Jones, D.G., Lister, T.R.,, Smith, D.J., West, J.M., Coombs, P., Gadalia, A.,, Brach, M.,
Annunziatellis, A., Lombardi, S. 2011. In Salah gas CO, storage JIP: Surface gas and biological
monitoring. Energy Procedia, 4, 3566-3573.

Kaiser, MJ., Collie, J.S., Hall, S.J., et al. 2002. Modification of marine habitats by trawling
activities: prognosis and solutions. Fish and Fisheries,. 3, 114-136.

Kamenos, N.A., Burdett, H.L., Aloisio, E., Findlay, H.S., Martin, S., Longbone, C., Dunn, J.,
Widdicombe, S., Calosi, P. 2013. Coralline algal structure is more sensitive to rate, rather
than the magnitude, of ocean acidification. Global Change Biology, 19, 3621-3628.

Karuza, A., Celussi, M., Cibic, T., Del Negro, P., De Vittor, C. 2012. Virioplankton and
bacterioplankton in a shallow CO,-dominated hydrothermal vent (Panarea Island,
Tyrrhenian Sea). Estuar. Coast. Shelf Sci., 97, 10-18.

Keating, E., Fessenden, J., Kanjorski, N., Koning, D., Pawar, R. 2010. The impact of CO, on
shallow groundwater chemistry: observations at a natural analog site and implications for
carbon sequestration. Environmental Earth Sciences, 60, 521-536.

Keating, E., Newell, D., Dempsey, D., Pawar, R. 2014. Insights into interconnections between
the shallow and deep systems from a natural CO, reservoir near Springerville, Arizona.
International Journal of Greenhouse Gas Control, 25, 162-172.

Keating, E.H., Hakala, J.A., Viswanathan, H., Carey, J.W., Pawar, R., Guthrie, G.D., Fessenden-
Rahn, J. 2013a. CO, leakage impacts on shallow groundwater: Field-scale reactive-transport
simulations informed by observations at a natural analog site. Applied Geochemistry, 30,
136-147.



Keating, E.H., Newell, D.L., Viswanathan, H., Carey, J.W., Zyvoloski, G., Pawar, R. 2013b.
CO,/Brine Transport into Shallow Aquifers along Fault Zones. Environmental Science &
Technology, 47, 290-297.

Keith, C.J., Repasky, K.S., Lawrence, R.L., Jay, S.C., Carlsten, J.L. 2009. Monitoring effects of a
controlled subsurface carbon dioxide release on vegetation using a hyperspectral imager.
Int. J. Greenhouse Gas Control, 3, 626-632.

Kharaka, Y.K., Thordsen, J.J., Kakouros, E., Ambats, G., Herkelrath, W.N., Beers, S.R.,
Birkholzer, J.T., Apps, J.A., Spycher, N.F., Zheng, L., Trautz, R.C., Rauch, H.W., Gullickson, K.S.
2010. Changes in the chemistry of shallow groundwater related to the 2008 injection of CO,
at the ZERT field site, Bozeman, Montana. Environmental Earth Sciences, 60, 273-284.

Kirk, M.F., Crossey, L.J., Takacs-Vesbach, C., Newell, D.L., Bowman, R.S. 2009. Influence of
upwelling saline groundwater on iron and manganese cycling in the Rio Grande floodplain
aquifer. Applied Geochemistry, 24, 426-437.

Kita, J, Stahl, H, Hayashi, M, Green, T, Watanabe, Y and Widdicombe 2015. Benthic
megafauna and CO, bubble dynamics observed by underwater photography during a
controlled sub-seabed release of CO,. International Journal of Greenhouse Gas Control.
D0i:10.1016/].ijggc.2014.11.012

Klok C, Wijsman J W M, Kaag K, Foekema E.2014. Effects of CO, enrichment on cockle shell
growth interpreted with a Dynamic Energy Budget model Journal of Sea Research 94, 111-
116.

Kroeker, K. J., Kordas, R. L., Crim, R., Hendriks, I. E., Ramajo, L., Singh, G. S., Duarte, C. M.
and Gattuso, J.-P. 2013, Impacts of ocean acidification on marine organisms: quantifying
sensitivities and interaction with warming. Global Change Biology, 19, 1884-1896.
doi: 10.1111/gcb.12179

Kroeker, K.J., Micheli, F., Gambi, M.C., Martz, T.R. 2011. Divergent ecosystem responses
within a benthic marine community to ocean acidification. Proc. Natl Acad. Sci. USA, 108,
14515-14520.

Kriiger, M., Jones, D., Frerichs, J., Oppermann, B.l.,, West, J., Coombs, P., Green, K., Barlow,
T., Lister, R., Shaw, R., Strutt, M., Moller, |. 2011. Effects of elevated CO, concentrations on
the vegetation and microbial populations at a terrestrial CO, vent at Laacher See, Germany.
Int. J. Greenhouse Gas Control, 5, 1093-1098.

Kriiger, M., West, J., Frerichs, J., Oppermann, B., Dictor, M.-C., Jouliand, C., Jones, D.,
Coombs, P., Green, K., Pearce, J., May, F., Moller, I. 2009. Ecosystem effects of elevated CO2
concentrations on microbial populations at a terrestrial CO, vent at Laacher See, Germany.
Energy Procedia, 1, 1933-1939.

Lake, J., Smith, K., Steven, M., Lomax, B. 2013. COOLTRANS - Environmental impacts of CO,
leakage into the soil environment, Proceedings of the 3rd International Forum on
Transportation of CO, by Pipeline, Newcastle Upon Tyne.



Lakkaraju, V.R., Zhou, X., Apple, M.E., Cunningham, A., Dobeck, L.M., Gullickson, K.,
Spangler, L.H. 2010. Studying the vegetation response to simulated leakage of sequestered
CO, using spectral vegetation indices. Ecological Informatics, 5, 379-389.

Lamert, H., Geistlinger, H., Werban, U., Schitze, C., Peter, A., Hornbruch, G., Schulz, A,
Pohlert, M., Kalia, S., Beyer, M., Grofmann, J., Dahmke, A., Dietrich, P. 2012. Feasibility of
geoelectrical monitoring and multiphase modeling for process understanding of gaseous
CO; injection into a shallow aquifer. Environmental Earth Sciences, 67, 447-462.

Lemieux, J.-M. 2011. Review: The potential impact of underground geological storage of
carbon dioxide in deep saline aquifers on shallow groundwater resources. Hydrogeology
Journal, 19, 757-778.

Lescanne, M., Hy-Billiot, J., Aimard, N., Prinet, C. 2011. The site monitoring of the Lacq
industrial CCS reference project. Energy Procedia, 4, 3518-3525.

Lichtschlag A., James R.H. Stahl H., Connelly D. 2015. Effect of a controlled sub-seabed
release of CO;, on the biogeochemistry of shallow marine sediments, their pore waters, and
the overlying water column International Journal of Greenhouse Gas Control.
Doi:10.1016/j.ijggc.2014.10.008

Lions, J., Devau, N., de Lary, L., Dupraz, S., Parmentier, M., Gombert, P., Dictor, M.-C. 2014a.
Potential impacts of leakage from CO, geological storage on geochemical processes
controlling fresh groundwater quality: A review. Int. J. Greenhouse Gas Control, 22, 165-175.

Lions, J., Humez, P., Pauwels, H., Kloppmann, W., Czernichowski-Lauriol, I. 2014b. Tracking
leakage from a natural CO, reservoir (Montmiral, France) through the chemistry and isotope
signatures of shallow groundwater. Greenhouse Gases: Science and Technology, 4, 225-243.

Little, M.G., Jackson, R.B. 2010. Potential Impacts of Leakage from Deep CO,
Geosequestration on Overlying Freshwater Aquifers. Environmental Science & Technology,
44, 9225-9232.

Long, W.C., Swiney, K.M. Harris, C., Page, H.N., Foy, R.J. 2013. Effects of Ocean Acidification
on Juvenile Red King Crab (Paralithodes camtschaticus) and Tanner Crab (Chionoecetes
bairdi) Growth, Condition, Calcification, and Survival. PLoS ONE 8: e60959

Lu, J., Partin, J., Hovorka, S., Wong, C. 2010. Potential risks to freshwater resources as a
result of leakage from CO, geological storage: a batch-reaction experiment. Environmental
Earth Sciences 60, 335-348.

Macpherson, G.L. 2009. CO, distribution in groundwater and the impact of groundwater
extraction on the global C cycle. Chem. Geol., 264, 328-336.

Macpherson, G.L., Roberts, J.A., Blair, J.M., Townsend, M.A., Fowle, D.A., Beisner, K.R. 2008.
Increasing shallow groundwater CO, and limestone weathering, Konza Prairie, USA.
Geochimica et Cosmochimica Acta, 72, 5581-5599.

Macpherson, G.L., Sophocleous, M. 2004. Fast ground-water mixing and basal recharge in an
unconfined, alluvial aquifer, Konza LTER Site, Northeastern Kansas. Journal of Hydrology,
286, 271-299.



Male, E., Pickles, W., Silver, E., Hoffmann, G., Lewicki, J., Apple, M., Repasky, K., Burton, E.
2010. Using hyperspectral plant signatures for CO, leak detection during the 2008 ZERT CO,
sequestration field experiment in Bozeman, Montana. Environ. Earth Sci., 60, 251-261.

Manini, E., Luna, G., Corinaldesi, C., Zeppilli, D., Bortoluzzi, G., Caramanna, G., Raffa, F.,,
Danovaro, R. 2008. Prokaryote diversity and virus abundance in shallow hydrothermal vents
of the Mediterranean Sea (Panarea Island) and the Pacific Ocean (North Sulawesi-
Indonesia). Microb. Ecol., 55, 626-639.

Martin, S., Rodolfo-Metalpa, R., Ransome, E., Rowley, S., Buia, M.-C., Gattuso, J.-P., Hall-
Spencer, J. 2008. Effects of naturally acidified seawater on seagrass calcareous epibionts.
Biol. Lett., 4, 689—692.

Martin, S., Richier, S., Pedrotti, M.L., Dupont, S., Castejon, C., Gerakis, Y., Kerros, M.E.,
Oberhansli, F., Teyssie, J.L., Jeffree, R., Gattuso, J.P. 2011. Early development and molecular
plasticity in the Mediterranean sea urchin Paracentrotus lividus exposed to CO,-driven
acidification. Journal of Experimental Biology, 214: 1357-1368.

Matter, J.M., Takahashi, T., Goldberg, D. 2007. Experimental evaluation of in situ CO,-water-
rock reactions during CO, injection in basaltic rocks: Implications for geological CO,
sequestration. Geochemistry, Geophysics, Geosystems, 8, Q02001.

Maul, P., E.Beaubien, S., Bond, A., Limer, L., Lombardi, S., Pearce, J., Thorne, M., West, J.
2009. Modelling the fate of carbon dioxide in the near-surface environment at the Latera
natural analogue site. Energy Procedia, 1, 1879-1885.

Michaelidis, B., Ouzounis, C., Paleras, A., Poértner, H-O. 2005. Effects of long-term moderate
hypercapnia on acid-base balance and growth rate in marine mussels Mytilus
galloprovincialis. Marine Ecology Progress Series, 293, 109-118.

Mickler, P.J., Yang, C., Scanlon, B.R., Reedy, R., Lu, J. 2013. Potential Impacts of CO, Leakage
on Groundwater Chemistry from Laboratory Batch Experiments and Field Push-Pull Tests.
Environmental Science & Technology, 47, 10694-10702.

Miles, H., Widdicombe, S., Spicer, J.I., Hall-Spencer, J. 2007. Effects of anthropogenic
seawater acidification on acid-based balance in the sea urchin Psammechinus miliaris.
Marine Pollution Bulletin, 54: 89-96.

Miller, A.W., Reynolds, A.C., Sobrino, C., Riedel, G.F.(2009. Shellfish Face Uncertain Future in
High CO, World: Influence of Acidification on Oyster Larvae Calcification and Growth in
Estuaries. PLoS ONE 4: e5661

Moni, A.C.,, Rasse, D.P. 2013a. Simulated CO, Leakage Experiment in Terrestrial
Environment: Monitoring and Detecting the Effect on a Cover Crop Using *C Analysis.
Energy Procedia, 37, 3479-3485.

Moni, C., Rasse, D.P. 2013b. Final report Norway. RISCS Deliverable D3.13.

Moni, C., Rasse, D.P. 2014. Detection of simulated leaks from geologically stored CO, with
B3¢ monitoring. Int. J. Greenhouse Gas Control, 26, 61-68.



Montes-Hernandez, G., Renard, F., Lafay, R. 2013. Experimental Assessment of CO,-Mineral-
Toxic lon Interactions in a Simplified Freshwater Aquifer: Implications for CO, Leakage from
Deep Geological Storage. Environmental Science & Technology, 47, 6247-6253.

Montiel, I.F., Mantecén, E.B. 2013. Short-term impact of CO, simulated leakage on soil
microbial communities, V International Conference on Environmental, Industrial and
Applied Microbiology- BioMicroWorld2013, Universidad Complutense de Madrid, Espaia.

Morales, S.E., Holben, W.E. 2013. Functional Response of a Near-Surface Soil Microbial
Community to a Simulated Underground CO, Storage Leak. PLoS ONE 8, e81742.

Moreira, A.C.d.C.A., Landulfo, E., Nakaema, W.M., Marques, M.T.A., Medeiros, J.A.G,,
Musse, A.P.S., Rosario, F.d., Spangler, L.H., Dobeck, L.M. 2014a. The First Brazilian Field Lab
Fully Dedicated to CO, MMV Experiments: A Closer Look at atmospheric Leakage Detection.
Energy Procedia 63, 6215-6226.

Moreira, A.C.d.C.A., Musse, A.P.S., Rosario, F.d., Lazzarin, H.S.C., Cavelhdo, G., Chang, H.K,,
Oliva, A., Landulfo, E., Nakaema, W.M., Melo, C.L., Bressan, L.W., Ketzer, J.M., Constant,
M.J., Spangler, L.H., Dobeck, L.M. 2014b. The First Brazilian Field Lab Fully Dedicated to CO,
MMV Experiments: From the Start-up to the Initial Results. Energy Procedia, 63, 6227-6238.

Mori, C, Sato, T, Kano, Y, Oyama, H, Aleynik, D, Tsumune, D and Maeda, Y, 2015. Numerical
study of the fate of CO, purposefully injected into the sediment and seeping from seafloor
in  Ardmucknish  Bay. International Journal of Greenhouse Gas Control.
D0i:10.1016/].ijggc.2014.11.023

Morley, S.A., Tan, K.S., Day, R.W., Martin, S.M., Portner, H-O., Peck, L.S. 2009. Thermal
dependency of burrowing in three species within the bivalve genus Laternula: a latitudinal
comparison. Marine Biology, 156, 1977-1984.

Murray, F., Widdicombe, S., McNeill, C.L., Solan, M. 2013. Consequences of a simulated
rapid ocean acidification event for benthic ecosystem processes and functions. Marine
Pollution Bulletin, 73, 435-442.

Navarre-Sitchler, A.K., Maxwell, R.M., Siirila, E.R., Hammond, G.E., Lichtner, P.C. 2013.
Elucidating geochemical response of shallow heterogeneous aquifers to CO2 leakage using
high-performance computing: Implications for monitoring of CO, sequestration. Advances in
Water Resources, 53, 45-55.

Neumann, J. 2012. Effect of high CO, and low pH on benthic communities of the deep sea.
University Bremen / Bremen International Graduate School for Marine Sciences (GLOMAR) /
Max Planck Institute for Marine Microbiology Bremen (PhD thesis).

Newell, D.L., Larson, T.E., Perkins, G., Pugh, J.D., Stewart, B.W., Capo, R.C., Trautz, R.C. 2014.
Tracing CO, leakage into groundwater using carbon and strontium isotopes during a
controlled CO; release field test. Int. J. Greenhouse Gas Control, 29, 200-208.

Newton A., Mudge, S.M. 2003. Temperature and salinity regimes in a shallow, mesotidal
lagoon, the Ria Formosa, Portugal. Estuarine Coastal and Shelf Science, 57:73-85.



Nisi, B., Vaselli, O., Tassi, F., de Elio, J., Huertas, A.D., Mazadiego, L.F., Ortega, M.F. 2013.
Hydrogeochemistry of surface and spring waters in the surroundings of the CO,; injection
site at Hontomin-Huermeces (Burgos, Spain). International Journal of Greenhouse Gas
Control, 14, 151-168.

Noble, R.R.P., Stalker, L., Wakelin, S.A., Pejcic, B., Leybourne, M.I., Hortle, A.L., Michael, K.
2012. Biological monitoring for carbon capture and storage — A review and potential future
developments. Int. J. Greenhouse Gas Control, 10, 520-535.

Office of Parliamentary Counsel, 2014. Offshore Petroleum and Greenhouse Gas Storage
(Environment) Regulations 2009, Canberra.

Oppermann, B.l., Michaelis, W., Blumenberg, M., Frerichs, J., Schulz, H.M., Schippers, A.,
Beaubien, S.E., Kriiger, M. 2010. Soil microbial community changes as a result of long-term
exposure to a natural CO2 vent. Geochim. Cosmochim. Acta, 74, 2697-2716.

OSPAR, 2007. OSPAR Guidelines for Risk Assessment and Management of Storage of CO,
Streams in Geological Formations OSPAR Commission Reference Number: 2007-12.

Pane, E.F., Barry, J.P. 2007. Extracellular acid-base regulation during short-term hypercapnia
is effective in a shallow-water crab, but ineffective in a deep-sea crab. Marine Ecology
Progress Series, 334: 1-9.

Parker, L.M., Ross, P.M., O'Connor, W.A. 2011. Populations of the Sydney rock oyster,
Saccostrea glomerata, vary in response to ocean acidification. Marine Biology, 158, 689-697.

Parkhurst, D.L., Appelo, C.A.J. 1999. User's guide to PHREEQC (version 2) - a computer
program for speciation, batch-reaction, one-dimensional transport, and inverse geochemical
calculations. Water-Resources Investigations Report, 99-4259. U.S. Geological Survey.

Paulley, A., Maul, P.R., Metcalfe, R. 2012. Scenarios for Potential Impacts from Hypothetical
Leakage from Geological Storage Facilities for Carbon Dioxide. RISCS Deliverable D1.3, 56.

Paulley, A., Metcalfe, R., Egan, M., Maul, P.R., Limer, L., Grimstad, A.A. 2013. Hypothetical
Impact Scenarios for CO; Leakage from Storage Sites. Energy Procedia, 37, 3495-3502.

Pentecost, A. 2005. Travertine. Springer, Amsterdam.

Pespeni, M., E. Sanford, B. Gaylord, T. M. Hill, J. D. Hosfelt, H. Jaris, M. LaVigne, E. Lenz, A. D.
Russell, M. K. Young, and S. R. Palumbi. 2013. Evolutionary change during experimental
ocean acidification. Proceedings of the National Academy of Science of the United States of
America, 110, 6937-6942. doi 10.1073/pnas.1220673110

Peter, A., Lamert, H., Beyer, M., Hornbruch, G., Heinrich, B., Schulz, A., Geistlinger, H.,
Schreiber, B., Dietrich, P., Werban, U., Vogt, C., Richnow, H.-H., GroAYmann, J., Dahmke, A.
2012. Investigation of the geochemical impact of CO, on shallow groundwater: design and
implementation of a CO, injection test in Northeast Germany. Environmental Earth
Sciences, 67, 335-349.



Pettinelli, E., Beaubien, S.E., Zaja, A., Menghini, A., Praticelli, N., Mattei, E., Di Matteo, A,,
Annunziatellis, A., Ciotoli, G., Lombardi, S. 2010. Characterization of a CO, gas vent using
various geophysical and geochemical methods. Geophysics, 75, B137-B146.

Phelps, J.J.C, Blackford, J.C., Holt, J.T., Polton, J.A. 2015. Modelling Large-Scale CO, Leakages
in the North Sea. |International Journal of Greenhouse Gas Control.
D0i:10.1016/j.ijggc.2014.10.013

Pickles, W.L., Cover, W.A. 2005. Chapter 22 - Hyperspectral Geobotanical Remote Sensing
for CO, Storage Monitoring, Carbon Dioxide Capture for Storage in Deep Geologic
Formations. Elsevier Science, Amsterdam, pp. 1045-1070.

Pistevos, J.C.A., Calosi, P., Widdicombe, S., Bishop, J.D.D. 2011. Will individual variation
influence responses to global climate change? Oikos, 120, 675-689.

Portner, H.O., Langenbuch M., Reipschlager A. 2004: Biological impact of elevated ocean
CO2 concentrations: lessons from animal physiology and Earth history? Journal of
Oceanography, 60, 705-718.

Portner, H. O., Langenbuch M., Michaelidis B. 2005. Synergistic effects of temperature
extremes, hypoxia, and increases in CO2 on marine animals: From Earth history to global
change, J. Geophys. Res., 110, C09510, doi:10.1029/2004JC002561.

Portner, H-O. 2008. Ecosystem effects of ocean acidification in times of ocean warming: a
physiologist's view. Marine Ecology Progress Series, 373, 203-217.

Porzio, L., Buia, M.C., Hall-Spencer, J.M. 2011. Effects of ocean acidification on macroalgal
communities. J. Exper. Mar. Biol. Ecol., 400, 278-287.

Pratt N., Ciotti B.J., Morgan E.A., Taylor P., Stahl H., Hauton C. 2015. No evidence for impacts
to the molecular ecophysiology of ion or CO, regulation in tissues of selected surface-
dwelling bivalves in the vicinity of a sub-seabed CO, release. International Journal of
Greenhouse Gas Control. D0i:10.1016/j.ijggc.2014.10.001

Queirds, A.M., Hiddink, J.G., Kaiser, M.J., Hinz, H. 2006. Effects of chronic bottom trawling
disturbance on benthic biomass, production and size spectra in different habitats. Journal of
Experimental Marine Biology and Ecology, 335, 91-103.

Queirds, A. M., Norling, K., Amaro, T., Nunes, J., Cummings, D., Yakushev, E., Sorensen, K.,
Harris, C., Woodward, M., Danovaro, R., Rastelli, E., Alve, E., De Vittor, C., Karuza, A., Cibic,
T., Monti, M., Ingrosso, G., Fornasaro, D., Beaubien, S. E., Guilini, K., Vanreusel, A., Molari,
M., Boetius, A., Ramette, A., Wenzhofer, F., de Beer, D., Weber, M., Griinke, S., Bigalke, N.
and Widdicombe, S. 2014. Potential impact of CCS leakage on marine communities. ECO2
Deliverable, D4.1 . Plymouth Marine Laboratory, 86 pp.

Queirds, A. M., J. A. Fernandes, S. Faulwetter, J. Nunes, S. P. S. Rastrick, N. Mieszkowska, Y.
Artioli, A. Yool, P. Calosi, C. Arvanitidis, H. S. Findlay, M. Barange, W. W. L. Cheung, and S.
Widdicombe. 2015. Scaling up experimental ocean acidification and warming research: from
individuals to the ecosystem. Global Change Biology, 21, 130-143.



Reiss, H., Kroncke, I. 2005. Seasonal variability of infaunal community structures in three
areas of the North Sea under different environmental conditions. Estuarine, Coastal and
Shelf Science, 65, 253-274.

Riedel, B., Pados, T., Pretterebnr, K., Schiemer, L., Steckbaur, A., Haselmair, A., Zuschin, M.,
Stachowitsch, M. 2014. Effect of hypoxia and anoxia on invertebrate behaviour: ecological
perpectives from species to community level. Biogeosciences, 11, 1491-1518.

Rippeth, T.P., Lincoln, B.J., Kennedy, H.A., Palmer, M.R., Sharples, J. and Williams, C.A.J..
2014. Impact of vertical mixing on sea surface pCO2 in temperate seasonally stratified shelf
seas, J. Geophys. Res. Oceans, 119, 3868—-3882, doi:10.1002/2014JC010089.

RISCS, 2014. A Guide to potential impacts of leakage from CO, storage. British Geological
Survey, 70.

Rivett, M.O., Feenstra, S., Cherry, J.A. 2001. A controlled field experiment on groundwater
contamination by a multicomponent DNAPL: creation of the emplaced-source and overview
of dissolved plume development. Journal of Contaminant Hydrology, 49, 111-149.

Roberts, J.J., Wood, R.A., Haszeldine, R.S. 2011. Assessing the health risks of natural CO,
seeps in Italy. Proceedings of the National Academy of Sciences, 1-4.

Rodolfo-Metalpa, R., Lombardi, C., Cocito, S., Hall-Spencer, J.M., Gambi, M.C. 2010. Effects
of ocean acidification and high temperatures on the bryozoan Myriapora truncata at natural
CO, vents. Mar. Ecol., 31, 447-456.

Romanak, K.D., Bennett, P.C., Yang, C., Hovorka, S.D. 2012a. Process-based approach to CO,
leakage detection by vadose zone gas monitoring at geologic CO, storage sites. Geophys.
Res. Lett., 39, L15405.

Romanak, K.D., Smyth, R.C., Yang, C., Hovorka, S.D., Rearick, M., Lu, J. 2012b. Sensitivity of
groundwater systems to CO,: Application of a site-specific analysis of carbonate monitoring
parameters at the SACROC CO;-enhanced oil field. International Journal of Greenhouse Gas
Control, 6, 142-152.

Romanak, K.D., Wolaver, B., Yang, C., Sherk, G.W., Dale, J., Dobeck, L.M., Spangler, L.H.
2014. Process-based soil gas leakage assessment at the Kerr Farm: Comparison of results to
leakage proxies at ZERT and Mt. Etna. Int. J. Greenhouse Gas Control, 30, 42-57.

Romané de Orte, M., Aguasanta, M., Sarmiento, B., Basallote, M.D., Rodriguez-Romero, A.,
Riba, 1., del Valls, A. 2014. Effects on the mobility of metals from acidification caused by
possible CO, leakage from sub-seabed geological formations. Science of the Total
Environment, 470-471, 356—-363.

Russell, B.D., Connell, S.D., Uthicke, S., Muehllehner, N., Fabricius, K.E., Hall-Spencer J. M.
2013. Future seagrass beds: Can increased productivity lead to increased carbon storage?
Mar. Pollut. Bull., 73, 463-469, http://dx.doi.org/10.1016/j.marpolbul.2013.01.031.

Sdenz de Miera, L.E., Arroyo, P., de Luis Calabuig, E., Falagan, J., Ansola, G. 2014. High-
throughput sequencing of 16S RNA genes of soil bacterial communities from a naturally
occurring CO, gas vent. Int. J. Greenhouse Gas Control, 29, 176-184.



Schacht, U., Jenkins, C. 2014. Soil gas monitoring of the Otway Project demonstration site in
SE Victoria, Australia. Int. J. Greenhouse Gas Control, 24, 14-29.

Schlémer, S., Furche, M., Dumke, |., Poggenburg, J., Bahr, A., Seeger, C., Vidal, A., Faber, E.
2013. A review of continuous soil gas monitoring related to CCS — Technical advances and
lessons learned. Appl. Geochem. 30, 148-160.

Schiémer, S., Modller, 1., Furche, M. 2014. Baseline soil gas measurements as part of a
monitoring concept above a projected CO2 injection formation—A case study from
Northern Germany. Int. J. Greenhouse Gas Control, 20, 57-72.

Schluter L., Lohbeck K.T., Gutowska M.A., Groger J.P., Riebesell U., Reusch T.B.H. 2014.
Adaptation of a globally important coccolithophore to ocean warming and acidification.
Nature Climate Change 4, 1024-1030 doi:10.1038/nclimate2379

Schulz, A., Vogt, C., Lamert, H., Peter, A., Heinrich, B., Dahmke, A., Richnow, H.H. 2012.
Monitoring of a simulated CO, leakage in a shallow aquifer using stable carbon isotopes.
Environmental Science and Technology, 46, 11243-11250.

Seibel, B.A., Walsh, P.J. 2001. Potential impacts of CO, injection on deep sea biota. Science,
294, 319-320.

Seibel, B.A., Walsh, P.J. 2003. Biological impacts of deep-sea carbon dioxide injection
inferred from indices of physiological performance. Journal of Experimental Biology, 206:
641-650.

Sharma, B., Apple, M.E., Zhou, X., Olson, J.M., Dorshorst, C., Dobeck, L.M., Cunningham,
A.B., Spangler, L.H. 2014. Physiological responses of dandelion and orchard grass leaves to
experimentally released upwelling soil CO,. Int. J. Greenhouse Gas Control, 24, 139-148.

Shell Canada Limited, 2010. Quest Carbon Capture and Storage Project: Measurement,
Monitoring and Verification Plan. Shell.

Siirila, E.R., Navarre-Sitchler, A.K.,, Maxwell, R.M., McCray, J.E. 2012. A quantitative
methodology to assess the risks to human health from CO, leakage into groundwater.
Advances in Water Resources, 36, 146-164.

Sheppard Brennand, H., Soars, N., Dworjanyn, S.A., Davis, A.R., Byrne, M. 2010. Impact of
Ocean Warming and Ocean Acidification on Larval Development and Calcification in the Sea
Urchin Tripneustes gratilla. PLoS ONE 5: e11372.

Shitashima K., Maeda Y., Sakamoto A. 2015. Detection and monitoring of leaked CO,
through sediment, water column and atmosphere in a sub-seabed CCS experiment.
International Journal of Greenhouse Gas Control. Doi: 10.1016/j.ijggc.2014.12.011

Small, D., Calosi, P., White, D., Spicer, J.I., Widdicombe, S. 2010. Impact of medium-term
exposure to CO2 enriched seawater on the physiological functions of the velvet swimming
crab Necora puber. Aquatic Biology, 10, 11-21.

Smith, K.L., Steven, M.D., Jones, D.G., West, J.M., Coombs, P., Green, K.A., Barlow, T.S.,
Breward, N., Gwosdz, S., Kriger, M., Beaubien, S.E., Annunziatellis, A., Graziani, S.,



Lombardi, S. 2013. Environmental impacts of CO, leakage: recent results from the ASGARD
facility, UK. Energy Procedia, 37, 791-799.

Spangler, L., Dobeck, L., Repasky, K., Nehrir, A., Humphries, S., Barr, J., Keith, C., Shaw, J.,
Rouse, J., Cunningham, A., Benson, S., Oldenburg, C., Lewicki, J., Wells, A., Diehl, J.R,,
Strazisar, B., Fessenden, J., Rahn, T., Amonette, J., Barr, J., Pickles, W., Jacobson, J., Silver, E.,
Male, E., Rauch, H., Gullickson, K., Trautz, R., Kharaka, Y., Birkholzer, J., Wielopolski, L. 2010.
A shallow subsurface controlled release facility in Bozeman, Montana, USA, for testing near
surface CO, detection techniques and transport models. Environ. Earth Sci., 60, 227-239.

Stahl H., Glud A., Schroder C.R., IKlimant I., Tengberg A., Glud R.N. 2006. Time-resolved pH
imaging in marine sediments with a luminescent planar optode. Limnol. Oceanogr.:
Methods, 4, 2006, 336—345

State of Victoria, 2008. Greenhouse Gas Geological Sequestration Act 2008, No. 61 of 2008.

State of Victoria, 2010. Offshore Petroleum and Greenhouse Gas Storage Act 2010, No. 10
of 2010.

Stumpp, M., Hu, M.Y., Melzner, F., Gutowska, M.A., Dorey, N., Himmerkus, N., Holtmann,
W.C., Dupont, S.T., Thorndyke, M.C., Bleich, M. 2012. Acidified seawater impacts sea urchin
larvae pH regulatory systems relevant for calcification. Proceedings of the National Academy
of Sciences of the USA, 109, 18192-18197.

Tait, K, Stahl, H Tarlor, P and Widdicombe, S. 2015. Rapid response of the active microbial
community to CO, exposure from a controlled sub-seabed CO, leak in Ardmucknish Bay
(Oban, Scotland). International Journal of Greenhouse Gas Control.
D0i:10.1016/j.ijggc.2014.11.021

Talmage, S.C., Gobler C.J. 2009. The effects of elevated carbon dioxide concentrations on
the metamorphosis, size, and survival of larval hard clams (Mercenaria mercenaria), bay
scallops (Argopecten irradians), and Eastern oysters (Crassostrea virginica). Limnology and
Oceanography, 54: 2072-2080.

Tamburri M.N., Peltzer E.T., Friederich G.E., Aya |., Yamane K., Brewer P.G. 2000. A field
study of the effects of CO, ocean disposal on mobile deep-sea animals. Marine Chemistry,
72,95-101.

Tanaka, Y., Abe, M., Sawada, Y., Tanase, D., Ito, T., Kasukawa, T., 2014. Tomakomai CCS
Demonstration Project in Japan, 2014 Update. Energy Procedia, 63, 6111-6119.

Taylor P., Stahl H., Vardy M.E., Bull J.M., Akhurst M., Hauton C., James R.H., Lichtschlag A,,
Long D., Aleynik D., Toberman M., Naylor M., Connelly D., Smith D., Sayer M.D.J,,
Widdicombe S., Wright I.C., Blackford J. 2015a. A novel sub-seabed CO, release experiment
informing monitoring and impact assessment for geological carbon storage. Int J
Greenhouse Gas control. DOI:10.1016/j.ijggc.2014.09.007

Taylor P., Lichtschlag A., Toberman M., Sayer M.D.J., Reynolds A., Sato T. Stahl H. 2015b.
Impact and recovery of pH in marine sediments subject to a temporary carbon dioxide leak.
International Journal of Greenhouse Gas Control. Doi:10.1016/].ijggc.2014.09.006.




Thistle D., Sedlacek L., Carman K. R., JFleeger. W., Brewer P. G., Barry J. P. 2006. Simulated
sequestration of industrial carbon dioxide at a deep-sea site: effects on harpacticoid-
copepod species. J. Exp. Mar. Biol. Ecol., 330, 151-158.

Thomas, H., Bozec, Y., Elkalay, K., de Baar, H.J.W., Borges, A.V., Schiettecatte, L.-S. 2005.
Controls of the surfacewater partial pressure of CO, in theNorth Sea. Biogeosciences, 2,
323-334.

Thomsen, J., Casties, I., Pansch, C., Kortzinger, A. and Melzner, F. 2013. Food availability
outweighs ocean acidification effects in juvenile Mytilus edulis: laboratory and field
experiments. Global Change Biology, 19, 1017-1027. doi: 10.1111/gcb.12109

Thrush, S.F.; Dayton, P.K. 2002. Disturbance to marine benthic habitats by trawling and
dredging: Implications for marine biodiversity. Annual Review Of Ecology And Systematics,
33, 449-473

Trainor-Guitton, W.J., Ramirez, A., Yang, X., Mansoor, K., Sun, Y., Carroll, S. 2013. Value of
information methodology for assessing the ability of electrical resistivity to detect CO,/brine

leakage into a shallow aquifer. International Journal of Greenhouse Gas Control 18, 101-
113.

Trautz, R.C., Pugh, J.D., Varadharajan, C., Zheng, L., Bianchi, M., Nico, P.S., Spycher, N.F,,
Newell, D.L., Esposito, R.A., Wu, Y., Dafflon, B., Hubbard, S.S., Birkholzer, J.T. 2013. Effect of
Dissolved CO; on a Shallow Groundwater System: A Controlled Release Field Experiment.
Environmental Science & Technology, 47, 298-305.

Trium Inc. and Chemistry Matters, 2011. Site Assessment (SW-30-05-13-W2M), near
Weyburn, Saskatchewan. 50.

United States Environmental Protection Agency. 2012. Geologic Sequestration of Carbon
Dioxide: Draft Underground Injection Control (UIC) Program Class VI Well Testing and
Monitoring Guidance. United States Environmental Protection Agency Office of Water
(4606M) EPA 816-D-10-009

Vesper, D.J., Edenborn, H.M. 2012. Determination of free CO, in emergent groundwaters
using a commercial beverage carbonation meter. Journal of Hydrology, 438-439, 148-155.

Viswanathan, H., Dai, Z., Lopano, C., Keating, E., Hakala, J.A., Scheckel, K.G., Zheng, L.,
Guthrie, G.D., Pawar, R. 2013. Developing a robust geochemical and reactive transport
model to evaluate possible sources of arsenic at the CO, sequestration natural analog site in
Chimayo, New Mexico. International Journal of Greenhouse Gas Control, 10, 199-214.

Wagner, F.M., Méoéller, M., Schmidt-Hattenberger, C., Kempka, T., Maurer, H. 2013.
Monitoring freshwater salinization in analog transport models by time-lapse electrical
resistivity tomography. Journal of Applied Geophysics 89, 84-95.

Wallman, K. 2011. Natural CO, seeps at the seabed. In: IEAGHG Summary Report of the
IEGHG Workshop on Natural Releases of CO,: Building Knowledge for CO, Storage
Environmental Impact Assessments, June 2011, pp. 18-19.



Wang, S., Jaffe, P.R. 2004. Dissolution of a mineral phase in potable aquifers due to CO,
releases from deep formations; effect of dissolution kinetics. Energy Conversion and
Management, 45, 2833-2848.

Warren, E A and Smalley, P C. 1994. North Sea Formation Waters Atlas. Memoir of the
Geological Society of London, 15.

Watanabe, Y, Tait, K, Gregory, S, Hayashi, M, Shilamoto, A, Taylor, P, Stahl, H, Green, K,
Yoshinaga, |, Suwa, Y and Kita, J. 2015. Response of the ammonia oxidation activity of
microorganisms in surface sediment to a controlled sub-seabed release of CO..
International Journal of Greenhouse Gas Control. D0i:10.1016/j.ijggc.2014.11.013

West, J.M., Jones, D.G., Annunziatellis, A., Barlow, T.S., Beaubien, S.E., Bond, A., Breward,
N., Coombs, P., de Angelis, D., Gardner, A., Gemeni, V., Graziani, S., Green, K.A., Gregory, S.,
Gwosdz, S., Hannis, S., Kirk, K., Koukouzas, N., Krliger, M., Libertini, S., Lister, T.R., Lombardi,
S., Metcalfe, R., Pearce, J.M., Smith, K.L., Steven, M.D., Thatcher, K., Ziogou, F., 2015.
Comparison of the impacts of elevated CO; soil gas concentrations on selected European
terrestrial environments. Int. J. Greenhouse Gas Control 42, 357-371.

West, J.M., McKinley, I.G., Palumbo-Roe, B., Rochelle, C.A. 2011. Potential impact of CO,
storage on subsurface microbial ecosystems and implications for groundwater quality.
Energy Procedia, 4, 3163-3170.

West, J.M., Pearce, J.M., Coombs, P., Ford, J.R., Scheib, C., Colls, J.J., Smith, K.L., Steven,
M.D. 2009. The impact of controlled injection of CO, on the soil ecosystem and chemistry of
an English lowland pasture. Energy Procedia, 1, 1863-1870.

Widdicombe, S; Blackford, JC; Spicer, JI. 2013a Assessing the environmental consequences
of CO, leakage from geological CCS: Generating evidence to support environmental risk
assessment. Marine Pollution Bulletin, 73. 399-401. D0i:10.1016/j.marpolbul.2013.05.044

Widdicombe, S., Needham, H.R. 2007. Impact of CO,-induced seawater acidification on the
burrowing activity of Nereis virens and sediment nutrient flux. Marine Ecology Progress
Series, 341, 111-122.

Widdicombe, S., Beesley, A., Berge, J.A., Dashfield, S.L., McNeill, C.L., Needham, H.R.,
Oxnevad, S. 2013b. Impact of elevated levels of CO, on animal mediated ecosystem
function: The modification of sediment nutrient fluxes by burrowing urchins. Marine
Pollution Bulletin, 73, 416-427.

Widdicombe S., McNeill C.L., Stahl H., Taylor P., Queirés A.M., Nunes J., Tait K. 2015. Impact
of sub-seabed CO, leakage on macrobenthic community structure and diversity.
International Journal of Greenhouse Gas Control.

Widdicombe, S., Dashfield, S.L., McNeill, C.L., Needham, H.R., Beesley, A., McEvoy, A.,
@xnevad, S., Clarke, K.R., Berge, J.A. 2009. Effects of CO, induced seawater acidification on
infaunal diversity and sediment nutrient fluxes. Marine Ecology Progress Series, 379, 59-75.

Widdicombe, S., Spicer, J.I. 2008. Predicting the impact of ocean acidification on benthic
biodiversity: what can animal physiology tell us? Journal of Experimental Marine Biology and
Ecology, 366, 187-197.



Wiese, B., Zimmer, M., Nowak, M., Pellizzari, L., Pilz, P. 2013. Well-based hydraulic and
geochemical monitoring of the above zone of the CO, reservoir at Ketzin, Germany.
Environmental Earth Sciences, 70, 3709-3726.

Wigley, M., Kampman, N., Chapman, H.J., Dubacq, B., Bickle, M.J. 2013. In situ redeposition
of trace metals mobilized by CO,-charged brines. Geochemistry, Geophysics, Geosystems,
14, 1321-1332.

Wilkin, R.T., DiGiulio, D.C. 2010. Geochemical Impacts to Groundwater from Geologic
Carbon Sequestration: Controls on pH and Inorganic Carbon Concentrations from Reaction
Path and Kinetic Modeling. Environmental Science & Technology, 44, 4821-4827.

Wood, C.M., Cameron, J.N. 1985. Temperature and physiology of intracellular and
extracellular acid-base regulation in the blue crab Callinectes sapidus. Journal of
Experimental Biology, 114, 151-179.

Wood, H.L., Spicer, J.I., Widdicombe, S. 2008. Ocean acidification may increase calcification
rates, but at a cost. Proceedings of the Royal Society B — Biological Sciences, 275, 1767-
1773.

Wunsch, A., Navarre-Sitchler, A.K., McCray, J.E. 2013. Geochemical Implications of Brine
Leakage into Freshwater Aquifers. Ground Water, 51, 855-865.

Xu, T., Apps, J.A., Pruess, K. 2004. Numerical simulation to study mineral trapping for CO,
disposal in deep aquifers. Applied Geochemistry, 19, 917-936.

Yanagawa, K., Morono, Y., de Beer, D., Haeckel, M., Sunamura, M., Futagami, T., Hoshino, T.,
Terada, T., Nakamura, K., Urabe, T., Rehder, G., Boetius, A., Inagaki, F. 2013. Metabolically
active microbial communities in marine sediment under high-CO, and low-pH extremes. The
ISME Journal, 7, 555-567.

Yang, C., Hovorka, S.D., Delgado-Alonso, J., Mickler, P.J., Trevifio, R.H., Phillips, S. 2014a.
Field Demonstration of CO, Leakage Detection in Potable Aquifers with a Pulselike CO,-
Release Test. Environmental Science & Technology, 48, 14031-14040.

Yang, C., Mickler, P.J., Reedy, R., Scanlon, B.R., Romanak, K.D., Nicot, J.-P., Hovorka, S.D.,
Trevifio, R.H., Larson, T. 2013a. Single-well push-pull test for assessing potential impacts of
CO, leakage on groundwater quality in a shallow Gulf Coast aquifer in Cranfield, Mississippi.
International Journal of Greenhouse Gas Control, 18, 375-387.

Yang, C., Romanak, K., Hovorka, S., Holt, R.M., Lindner, J., Trevino, R. 2013b. Near-surface
monitoring of large-volume CO, injection at Cranfield: Early field test of SECARB phase lll.
SPE Journal, 18, 486-494.

Yang, Q., Matter, J., Stute, M., Takahashi, T., O'Mullan, G., Umemoto, K., Clauson, K.,
Dueker, M.E., Zakharova, N., Goddard, J., Goldberg, D. 2014b. Groundwater
hydrogeochemistry in injection experiments simulating CO, leakage from geological storage
reservoir. International Journal of Greenhouse Gas Control, 26, 193-203.

Zeebe, R.E.,Wolf-Gladrow, D.A. 2001. CO, in seawater: equilibrium, kinetics and isotopes.
Elsevier Oceanography Series, 65, 346.



Zheng, L., Apps, J.A., Spycher, N., Birkholzer, J.T., Kharaka, Y.K., Thordsen, J., Beers, S.R.,
Herkelrath, W.N., Kakouros, E., Trautz, R.C. 2012. Geochemical modeling of changes in
shallow groundwater chemistry observed during the MSU-ZERT CO,; injection experiment.
International Journal of Greenhouse Gas Control, 7, 202-217.

Zheng, L., Apps, J.A.,, Zhang, Y., Xu, T., Birkholzer, J.T. 2009. On mobilization of lead and
arsenic in groundwater in response to CO, leakage from deep geological storage. Chemical
Geology, 268, 281-297.

Zhou, X., Apple, M.E., Dobeck, L.M., Cunningham, A.B., Spangler, L.H. 2013. Observed
response of soil O, concentration to leaked CO, from an engineered CO, leakage
experiment. Int. J. Greenhouse Gas Control, 16, 116-128.

Ziogou, F., Gemeni, V., Koukouzas, N., de Angelis, D., Libertini, S., Beaubien, S.E., Lombardi,
S., West, J.M,, Jones, D.G., Coombs, P., Barlow, T.S., Gwosdz, S., Kriiger, M. 2013. Potential
Environmental Impacts of CO, Leakage from the Study of Natural Analogue Sites in Europe.
Energy Procedia, 37, 3521-3528.



