
1

1 Insights into the Subsurface Transport of As(V) and Se(VI) in Produced 

2 Water from Hydraulic Fracturing Using Soil Samples from Qingshankou 

3 Formation, Songliao Basin, China

4

5 Season S. Chen1, Yuqing Sun1,2, Daniel C.W. Tsang1,*, Nigel J.D. Graham3, Yong Sik Ok4, Yujie 

6 Feng2,*, Xiang-dong Li1

7

8 1 Department of Civil and Environmental Engineering, The Hong Kong Polytechnic University, Hung 

9 Hom, Kowloon, Hong Kong, China. 

10 2 State Key Laboratory of Urban Water Resource and Environment, Harbin Institute of Technology, 

11 Harbin 150090, China.

12 3 Environmental and Water Resources Engineering, Department of Civil and Environmental Engineering, 

13 Imperial College London, South Kensington, London SW7 2AZ, UK.

14 4 Korea Biochar Research Center & School of Natural Resources and Environmental Science, Kangwon 

15 National University, Chuncheon 24341, Korea.

16 * Corresponding author (email: dan.tsang@polyu.edu.hk, phone: 852-2766-6072, fax: 852-2334-6389).

17 *Co-corresponding author (email: yujief@hit.edu.cn, phone: 86-451-86283068, fax: 86-451-87162150).

mailto:dan.tsang@polyu.edu.hk


2

18 Abstract

19 Produced water is a type of wastewater generated from hydraulic fracturing, which may pose a 

20 risk to the environment and humans due to its high ionic strength and the presence of elevated 

21 concentrations of metals/metalloids that exceed maximum contamination levels. The 

22 mobilization of As(V) and Se(VI) in produced water and selected soils from Qingshankou 

23 Formation in the Songliao Basin in China were investigated using column experiments and 

24 synthetic produced water whose quality was representative of waters arising at different times 

25 after well creation. Temporal effects of produced water on metal/metalloid transport and 

26 sorption/desorption were investigated by using HYDRUS-1D transport modelling. Rapid 

27 breakthrough and long tailings of As(V) and Se(VI) transport were observed in Day 1 and Day 

28 14 solutions, but were reduced in Day 90 solution probably due to the elevated ionic strength. 

29 The influence of produced water on the hydrogeological conditions (i.e., change between 

30 equilibrium and non-equilibrium transport) was evidenced by the change of tracer breakthrough 

31 curves before and after the leaching of produced water. This possibly resulted from the sorption 

32 of polyacrylamide (PAM (-CH2CHCONH2-)n) onto soil surfaces, through its use as a friction 

33 reducer in fracturing solutions. The sorption was found to be reversible in this study. Minimal 

34 amounts of sorbed As(V) were desorbed whereas the majority of sorbed Se(VI) was readily 

35 leached out, to an extent which varied with the composition of the produced water. These results 

36 showed that the mobilization of As(V) and Se(VI) in soil largely depended on the solution pH 

37 and ionic strength. Understanding the differences in metal/metalloid transport in produced water 

38 is important for proper risk management. 

39 Keywords: produced water; hydraulic fracturing; arsenic; selenium; non-equilibrium transport; 

40 solution chemistry.
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41 Introduction

42 Hydraulic fracturing (fracking) has significantly advanced the oil and gas extraction from low-

43 permeability shale formations (Kargbo et al., 2010; King, 2012; Vidic et al., 2013). In 2011, the 

44 production of natural gas in the US was 23 trillion cubic feet, accounting for 95% of domestic 

45 consumption (US EIA, 2013). China has one of the largest shale reservoirs in the world 

46 (Tollefson, 2013) and the Government plans to produce 300 billion cubic metres of shale gas by 

47 2020 (China’s State Council, 2015). However, the possible adverse environmental impact and 

48 human health implications of hydraulic fracturing have aroused intense public concern and 

49 research interest on aspects including water and soil contamination (Warner et al., 2013; 

50 Vengosh et al., 2014), occurrence of radioactive material (Kondash et al., 2013; Nelson et al., 

51 2014), and air pollution (Moore et al., 2014; Swarthout et al., 2015). 

52

53 A large proportion of the hydraulic fracturing fluid returns to the surface in the first two weeks, 

54 which is the produced water generated right after hydraulic fracturing (also referred to as 

55 flowback water). Produced water is also generated during the production phase of a well, which 

56 can last for years (US EIA, 2013; Vidic et al., 2013; US EPA, 2016). Produced water contains 

57 extremely high levels of total dissolved solids (TDS) (up to 350 g L-1), metal/metalloid ions, and 

58 brine salts of Ca, Ba, and Cl (Barbot et al., 2013; Ferrar et al., 2013; Jackson et al., 2013). 

59 Organic ingredients in the hydraulic fracturing fluid such as gelling agents, friction reducers, and 

60 surfactants are also recovered with produced water (Hayes, 2009; Gregory et al., 2011; 

61 Ziemkiewicz and He, 2015). The presence of biocide (e.g., glutaraldehyde) would impede the 

62 biodegradation and microbial-mediated transformation of surfactants and trace elements 

63 (McLaughlin et al., 2016).
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64

65 Among the elements identified in the produced water, trace elements such as As and Se may be 

66 present at a concentration depending on the geochemical characteristics of the formation. For 

67 example, black shales in Britain and Ireland lead to excessive amounts of As and Se in 

68 groundwater after interaction with produced water (Parnell et al., 2016). It has been reported that 

69 As and Se are constituents of gas containing rock beds (Haluszczak et al., 2013), and within the 

70 Qingshankou Formation in the Songliao Basin, China, the Cretaceous black shale may possibly 

71 have Se enrichment (Zou et al., 2010) and overlap with an elevated-As region (Rodriguez-Lado 

72 et al., 2013). These elements are particularly important because the toxicity imposed by As and 

73 Se may present environmental concerns and health risks, especially when there are inadvertent 

74 spills of produced water. 

75

76 The majority of inadvertent fluid spills have been reported outside the well pad (i.e., area cleared 

77 for drilling rigs), in which spills of produced water usually occur during transport and 

78 filling/clearing of the impoundments (Lauer et al., 2016). It is estimated in a sudden spill 

79 scenario that an area of 0.1 acre (404.7 m2) could be affected by 1000 gallon (3785.4 L) of 

80 produced water (Gradient, 2012), which could cause a significant impact on soil and 

81 groundwater contamination before natural attenuation. The content of dissolved oxygen in 

82 produced water was found to increase during its storage in an impoundment, and this resulted in 

83 positive redox potentials (oxidizing) (Milligan and Reddy, 2007). The spillage of produced water 

84 is likely to be under an oxidizing environment where As can be mobilized by oxidation and 

85 dissolution of As-bearing sulphide minerals and iron oxides (Kim, et al., 2014; Phan et al., 2015). 

86 Thus, As(V) would be the predominant form of As from the produced water in the impoundment. 
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87 The mobility of Se is also controlled by its chemical speciation. In aerated alkaline soils, selenate 

88 and selenite are the predominating species of inorganic Se, which are highly soluble. While 

89 Se(IV) is strongly adsorbed by soils, Se(VI) is weakly sorbed and hence, it is susceptible to 

90 mobilization (Neal and Sposito, 1989; Goh and Lim, 2004; Goldberg et al., 2008). Nevertheless, 

91 the potential transport of contaminants into the environment is poorly understood (Vengosh et al., 

92 2014; McLaughlin et al., 2016).

93

94 Balaba and Smart (2012) have demonstrated that flowback water is capable of leaching more As 

95 and Se from Marcellus Shale than high-salinity or acidic solutions, and Wang et al. (2016) have 

96 shown larger amounts of Fe, Ca, and As were mobilized at a lower solution pH. These studies 

97 imply the significance of ionic strength and solution chemistry on trace metal mobilization. 

98 Increasing ionic strength in subsurface solutions can reduce electrostatic repulsion and enhance 

99 particle aggregation, which may inhibit As and Se sorption on mineral surfaces on soils due to 

100 ion pairing and complexation with brine elements, thereby releasing them into groundwater 

101 (Goldberg and Johnston, 2001; Goldberg et al., 2008; Fontenot et al., 2013). In addition, 

102 mobilization of metal-laden colloids could be induced by hydrodynamic shear due to the high 

103 flow rate of produced water in fractured media (e.g., 4-550 L h-1) (Ziemkiewicz et al., 2014). The 

104 presence of inorganic salts and surfactants in produced water may also influence the colloid 

105 mobilization in soils, resulting in the colloidal-facilitated contaminant transport (Ryan and 

106 Elimelech, 1996; Ma et al., 2016). It has been recently demonstrated that produced water could 

107 mobilize model environmental colloids from sand grains due to steric repulsion by sorption of 

108 organic compounds and cation exchange (Sang et al., 2014). The effects of produced water on 

109 metal/metalloid transport in soils, which have more heterogeneous properties than sand, are still 
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110 unclear. 

111

112 In view of the limited information available currently, this study is an investigation of the 

113 potential migration of metals, specifically As(V) and Se(VI), in the selected surface soils of shale 

114 regions under varying hydrogeochemical conditions, which may provide insight into the impact 

115 of accidental spills of produced water in the vicinity of fractured wells. The metal/metalloid 

116 transport behaviour is elucidated by HYDRUS-1D modelling (PC-PROGRESS), which 

117 numerically solves solute movement in saturated porous media based on advection-dispersion 

118 equations (Šimůnek et al., 2013). The transport parameters such as hydrodynamic dispersion 

119 coefficient, distribution coefficient, and immobile water content can reflect the influence of 

120 solution composition on flow paths and pore system in soils. This helps to understand the 

121 significance of temporal variations in the compositions of synthetic produced water at different 

122 stages of operation. 

123

124 Material and methods 

125 Soil sampling and synthetic produced water

126 Four types of surface soils were sampled from different sampling locations in Heilongjiang 

127 Province, China in order to investigate the importance of soil properties for the resultant 

128 metal/metalloid transport. They were sandy clay loam from Anda (46°04' N, 124°58' E), loamy 

129 sand from Bayan (46°26' N, 127°06' E), loam from Binxian (45°43' N, 127°28' E), and sandy 

130 loam Daqing (46°33' N, 125°01' E), respectively (Table 1). The sampling points are near 

131 Qingshankou formation in Songliao Basin, China, which also overlap with an elevated-arsenic-

132 risk region (Rodriguez-Lado et al., 2013). The soils were sampled from the top 5 to 20 cm, and 
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133 then ground and sieved through 2 mm. Anda (AD) soil (pH 8.8) contained 21.0 mg g-1 

134 amorphous Fe and 25.3 mg g-1 total organic carbon (TOC). Bayan (BY) soil (pH 9.3) had the 

135 largest amount of amorphous Fe (45.0 mg g-1) and a comparable TOC content (24.8 mg g-1), 

136 while Binxian (BX) soil (pH 8.1) contained a relatively high content of amorphous Fe (38.7 mg 

137 g-1) but less TOC (10.2 mg g-1). In contrast, Daqing (DQ) soil (pH 8.3) was comparatively low in 

138 both contents of amorphous Fe (9.36 mg g-1) and TOC (12.4 mg g-1). As the amorphous Fe and 

139 organic carbon content in soils provide major adsorption sites for arsenic as As(V) and selenium 

140 as Se(VI) (Goldberg et al., 2008; Moreno-Jiménez et al., 2013), the metal mobilization may vary 

141 with different soil characteristics (Table 1) and thus the four soils were studied in parallel. The 

142 mobility of background As(V) and Se(VI) was tested by leaching in unbuffered deionized water 

143 (Table S1, Supplementary Information).

144

145 The synthetic produced water was prepared according to the reported characteristics of samples 

146 taken at Day 1, Day 14, and Day 90 as summarized in Table 2 (Hayes, 2009), which represented 

147 significant temporal variation in solution composition, such as ionic strength and iron content, in 

148 the field. The data were adopted from U.S. produced water as the relevant information was not 

149 available in China. Anionic PAM ((-CH2CHCONH2-)n) (0.088% v/v), ethylene glycol 

150 (HOCH2CH2OH) (0.043% v/v), and glutaraldehyde (CH2(CH2CHO)2) (0.001%) were added as 

151 commonly used fracturing additives. However, it should be noted that the additives listed in 

152 Table 2 were not exhaustive, as the constituents in fracturing fluids can vary with geological 

153 conditions and operation methods (information obtained from FracFocus database; 

154 www.FracFocus.org). Although the concentrations of the organic additives will change over time, 

155 they were kept at constant concentrations in this study in order to address the effects of high 

http://www.FracFocus.org
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156 ionic strength and TDS. Freshly collected wastewater samples from the field are needed to 

157 investigate the temporal effects imposed by organic additives in the future. To study the transport 

158 behaviour and assess the associated risks of heavy metals due to the spill and leakage of 

159 produced water near the ground surface, 100 µg L-1 concentrations of As(V) and Se(VI) (SPEX 

160 CertiPrep, Assurance Grade Standard Solution, USA) were spiked into synthetic produced water, 

161 because they are commonly associated with fracturing wastewater (Abualfaraj et al., 2014). 

162 Owing to accidental spills, the produced water may contaminate soil and groundwater and 

163 thereby raising toxicity concerns to humans and the environment (Chen et al., 2017; McLaughlin 

164 et al., 2016). In addition, the breakthrough of Sr and Fe was measured as they are also present in 

165 large quantities in the produced water. 

166

167 Metal/metalloid transport in column experiments

168 The column experiments were undertaken to illustrate the impact of accidental spills of produced 

169 water recovered at different stages (i.e., Day 1, Day 14, and Day 90). Each column (15.4 mm dia., 

170 61.55 mm depth) was packed with one soil sample at a bulk density of 1.34-1.37 g cm-3, and 

171 placed with 8-μm filter papers (Grade 1, Whatman) at both ends. Preliminary experiments 

172 indicated that it was necessary to blend the soils with 50 wt% of acid-washed Ottawa quartz sand 

173 to maintain permeability and prevent clogging in the columns. Previous studies have also 

174 demonstrated the applicability of a mixture of quartz sand in the column experiments for 

175 investigating the pollutant transport in saturated porous media (Ryan and Gschwend, 1994; Yu et 

176 al., 2011; Sang et al., 2014). The pore volume (PV) of each column and the bulk density of each 

177 soil were calculated accordingly (AD: 1.70 g cm-3; BY: 1.65 g cm-3; BX: 1.62 g cm-3; DQ: 1.65 g 

178 cm-3) (Table 1). The soil columns were saturated with an upflow of background solution (10 mM 
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179 NaNO3, pH 5.5) using a peristaltic pump at a steady pore water velocity of 10 ± 0.5 cm h-1, 

180 which was similar to the infiltration rate of simulated acid rain (Hu et al., 2008). 

181

182 After preconditioning for at least 20 PV, the columns were leached with 40 PV of Day 1, Day 14, 

183 and Day 90 synthetic produced water (i.e., sorption phase), respectively. The flow was stopped 

184 for 12 h (i.e., flow cessation), which could illustrate the significance of mass transfer limitations 

185 that account for non-equilibrium processes and colloid release in saturated soil (Fritzsche et al., 

186 2011). Afterwards, the leaching of produced water was resumed for 20 PV to reach steady 

187 condition. Then, the soils were desorbed by leaching with background solution for 20 PV (i.e., 

188 desorption phase), followed by a second 12-h flow cessation and additional desorption by 10 PV 

189 of background solution. The effluent samples were continuously collected throughout the column 

190 experiments, acidified with concentrated hydrochloric acid to pH less than 2, and stored at 4 °C. 

191 Testing of the effluent samples did not distinguish between the colloidal and dissolved phases, 

192 and only the total concentrations of the elements were used in the transport modelling, as 

193 discussed later (Šimůnek et al., 2013). The total concentrations of As and Se were determined by 

194 Atomic Absorption Spectrometry with vapour generation accessory (VGA-AAS, Agilent 

195 VGA77, limit of detection 1 µg L-1) while Fe and Sr were measured by AAS (limit of detection 1 

196 mg L-1). Arsenic speciation was analysed with disposable cartridges, and selenium speciation 

197 was determined by VGA-AAS with the NaBH4 as the reducing agent.

198

199 Lithium (50 mg L-1 LiNO3, Sigma-Aldrich), which is weakly sorbed in our soils, was adopted as 

200 a tracer in the column experiments (Sullivan et al., 2003; Fernàndez-Garcia et al., 2004; Pedretti 

201 et al., 2013), as chloride and bromide were present as constituents of the produced water (Table 
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202 2), rendering them unsuitable as tracer elements. To examine the change of hydrogeological 

203 conditions, tracer breakthrough tests were conducted at three different stages: (i) upon 

204 preconditioning; (ii) at the end of leaching with produced water (sorption phase); and (iii) at the 

205 end of leaching with background solution (desorption phase), respectively. For each run, a 12-PV 

206 pulse of Li injection was followed by 24-PV desorption with background solution. The 

207 concentrations of Li in the collected effluent were analysed by AAS (limit of detection 0.1 mg L-

208 1). The breakthrough curves (BTCs) were constructed by plotting the relative concentration C/C0 

209 (effluent concentration/input concentration) against dimensionless time PV (pore volume), and 

210 then were modelled with equilibrium and two-region physical non-equilibrium transport 

211 equations using HYDRUS-1D version 4.16 (Šimůnek et al., 2013). The dispersion coefficients of 

212 the columns were obtained from the transport modelling of the tracer tests, which were used for 

213 the transport modelling of As(V), Se(VI), Sr, and Fe in the columns. Details of the transport 

214 equations and modelling can be found in the Supplementary Information and our previous 

215 studies (Tsang et al., 2006; 2007).

216

217 Results and Discussion

218 Significance of solution composition on metal/metalloid transport 

219 A negligible amount of As(III) was found after column studies by the analysis of disposable 

220 cartridges. This observation was in agreement with the slow chemical kinetics of the reduction 

221 from As(V) to As(III) (Ascar et al., 2008), and As(V) was the predominant form in oxidizing 

222 produced water. Likewise, only Se(VI) was found in this study, which was the predominant form 

223 in alkaline soil and oxidized environment (Goh and Lim, 2004). The results for the BY soil are 

224 presented in Figure 1, which had the highest Fe and TOC content. The effluent concentrations of 
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225 As(V), Se(VI), Fe, and Sr showed a rapid breakthrough in less than 10 PV of sorption phase 

226 (Figure 1), and also a fast desorption within 15 PV of desorption phase in all produced water. It 

227 was interesting to note that even more rapid breakthroughs occurred with increasing ionic 

228 strength (I) in Day 14 and Day 90 solutions. 

229

230 The two-region physical non-equilibrium model (Figure 1) generally fitted the measured data 

231 better than an equilibrium model (Figure S1). Comparable results were observed for the other 

232 three soils (Figure S2) despite their variations in Fe and TOC content. Additional tests with 

233 blending the soil samples with 20 wt% sand in the columns also displayed similar 

234 metal/metalloid transport in the four soil samples (Figure S3). Therefore, the results of this study 

235 indicated that solution compositions could play a predominant role in controlling the 

236 metal/metalloid transport, although the soil properties and mixture with sand are still important. 

237 It should be noted that although blending the soils with 20-50 wt% quartz sand helped to 

238 maintain permeability and prevent clogging in this study, the sand grains were observed to 

239 enhance the metal/metalloid breakthrough and reduce their adsorption onto the soils. For 

240 instance, the negatively charged surface on sand could enhance the transport of oxyanions (e.g., 

241 As(V) and Se(VI)) by increasing the repulsive force (Ryan and Elimelech, 1996). 

242

243 The BTCs of As(V) and Se(VI) in Day 1 solution (pH 7.2, I = 0.35 M, Table 2) exhibited a long 

244 tailing during both sorption and desorption phases, and the extent of tailing was greater for the 

245 Se(VI). After the flow interruption and resumption, there was a remarkable decrease of the As(V) 

246 and Se(VI) concentrations during the adsorption phase of Day 1 solution (at about 55-60 PV), 

247 and a small increase during the desorption phase (at about 95-100 PV). This indicated the 
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248 significance of non-equilibrium transport behaviour because the flow interruptions allowed a 

249 longer residence time for sorption/desorption to occur (Tsang et al., 2007; Zhang et al., 2013; 

250 Fang et al., 2016), which was rate-limited probably due to the mass transfer between immobile 

251 and mobile water regions (Brusseau et al., 1997). This was further investigated by means of 

252 tracer tests in the subsequent section.

253

254 In contrast, long tailing and rebound upon flow interruption were notably less significant in Day 

255 14 solution (pH 6.5, I = 2.49 M, Table 2), and almost negligible in Day 90 solution (pH 5.9, I = 

256 4.10 M, Table 2). This signified a lesser extent of non-equilibrium transport behaviour, and 

257 clearly indicated the important role of solution compositions on metal/metalloid transport. On 

258 one hand, the addition of inorganic ions such as sodium, calcium, and chloride in the produced 

259 water are known to be critical components for colloid mobilization (Ryan and Elimelech, 1996; 

260 Sang et al., 2014), while on the other hand, the PAM used in the fracking fluids is also a 

261 common soil conditioner that could enhance soil aggregation and inhibit colloid mobilization 

262 (Seybold, 1994; Awad et al., 2013). At the elevated ionic strength, the produced water was less 

263 likely to mobilize colloids due to more compressed electrical double layers, as well as increased 

264 PAM adsorption on the soil by van der Waals forces (Seybold, 1994; Ryan and Elimelech, 1996; 

265 Awad et al., 2016). Hence, the results of this study suggested that the presence of extremely high 

266 ionic strength in Day 14 and Day 90 solutions could reduce the likelihood of non-equilibrium 

267 transport behaviour. This was possibly because of the change in hydrogeological conditions as 

268 indicated by the variations in the fraction of sorption sites in contact with mobile water (fmo) and 

269 immobile water content (θim) in Table 3 and Table S2.  

270
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271 In comparison, the transport of Sr and Fe displayed rapid breakthrough, insignificant rebound 

272 upon flow interruptions, and undetectable tailings for all solutions (Figure 1) and soils (Figure 

273 S2). However, some overshoot of effluent concentrations, i.e., C/C0 > 1, was observed probably 

274 due to rapid sorption of Fe and Sr followed by ion exclusion during the leaching of produced 

275 water. 

276

277 Change of hydrogeological conditions due to leaching of produced water

278 Figure 2 provides a comparison of the lithium BTCs in BY soil at different stages of leaching. 

279 Prior to leaching of Day 1 solution (Figure 2a), both the simulations of the equilibrium and two-

280 region physical non-equilibrium models were in close agreement with the lithium BTCs. In 

281 contrast, after the leaching of produced water (Figure 2b), the experimental data were more 

282 closely represented by the physical non-equilibrium model, particularly for the early appearance 

283 of Li and the asymmetry of the BTC. Therefore, the tracer tests confirmed the absence of 

284 physical non-equilibrium condition in background solution, but the introduction of produced 

285 water resulted in a substantial change in the flow characteristics and transport channels. This 

286 change of the soil structure may be related to the compressed electrical double layers of mineral 

287 oxides and soil particles/colloids, and PAM-induced particle aggregation at the elevated ionic 

288 strength (Wu et al., 2012). The saturation capacity of PAM is known to increase significantly 

289 with increasing TDS, and fine soils also enhance its sorption while organic matter has a negative 

290 effect (Lu et al., 2002). Similar trends were also found in the other three soils regardless of 

291 variations in the soil texture and properties (Figure S4).

292

293 Interestingly, after desorption by background solution (Figure 2c), the simulations of the 
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294 equilibrium model resembled those of the physical non-equilibrium model, both of which 

295 described the experimental data reasonably well (except AD soil in Figure S4). The variations of 

296 θim and first-order mass transfer coefficient (s) were also evident at different stages of leaching 

297 in BY soil (Table 4) and the other three soils (Table S3). These values consistently decreased in 

298 all soils when the conditions changed from preconditioning with background solution to post-

299 leaching of produced water, whereas they increased again at the end of desorption by 

300 background solution. The changes of parameter values corroborated the curve fitting of the 

301 model simulations. Such a reversible change of the flow characteristics after leaching with 

302 background solution may indicate that the expanding electrical double layers at a much lower 

303 electrolyte concentration (compared to that of produced water) may detach the anionic PAM 

304 from the soil surfaces (Seybold, 1994; Ryan and Elimelech, 1996). An increased turbidity in the 

305 effluent was observed at the beginning of leaching with background solution. The effects of 

306 anionic PAM sorption by soils deserve more investigation in the future as its sorption could 

307 influence the mobility of oxyanions.

308

309 Sorption/desorption of As(V) and Se(VI) in produced water

310 The transport of As(V) and Se(VI) may be affected also by sorption onto iron oxyhydroxides in 

311 soil, which varied with solution ionic strength (Peak and Sparks, 2002; Xu et al., 2009; 

312 Vithanage et al., 2013). As indicated by area integration of the BTCs, the sorption of As(V) on 

313 BY soil was comparatively less in Day 14 solution while the sorption of Se(VI) increased with 

314 increasing ionic strength. Similar changes were observed with the other three soil samples 

315 (Figure 3a&b). A previous study has suggested an increasing As(V) sorption on amorphous 

316 oxides with decreasing solution pH and increasing ionic strength (Goldberg and Johnston, 2001). 
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317 Besides, the pH values of Day 14 (pH 6.5) and Day 90 (pH 5.9) solutions were lower than that of 

318 Day 1 (pH 7.2) solution (Table 2), in which the soil surface would be more positively charged 

319 and conducive to the sorption of oxyanions (e.g., arsenate and selenate) as the point of zero 

320 charge of amorphous iron oxide is about pH 8 (Dzombak and Morel, 1990). These previous 

321 findings would suggest a prediction of an increasing sorption in our tests from Day 1 to Day 90 

322 solutions. 

323

324 The discrepancy between the results and the prediction could be explained by the changes of the 

325 electrostatic potential in the plane of adsorption. For soils displaying variable charge, the 

326 capacity of anion sorption at different ionic strengths would approach the same value at the pH 

327 of the point of zero salt effect (PZSE). At a pH below the PZSE the soil exhibited a positively 

328 charged plane of adsorption for the anions, in which an increasing ionic strength would 

329 accumulate more counter-ions (Barrow and Ellis, 1986; Bolan et al., 1986; Xu et al., 2009). 

330 Hence, the sorption of As(V) and Se(VI) was reduced with increasing ionic strength as illustrated 

331 in Figure S5, whereas the behaviour was the reverse above the PZSE. Therefore, the results of 

332 this study implied that the PZSE of the four soils probably lied above the pH values of produced 

333 water (Figure S5), accounting for the observed changes in As(V) and Se(VI) sorption (Figure 

334 3a&b).

335

336 After the subsequent leaching by background solution, As(V) had minimal desorption from all 

337 soils (Figure 3c), i.e., less than 5% of the sorbed amount (except desorption from DQ soil after 

338 the leaching of Day 1 and Day 14 solutions). This could be explained by the DQ soil having the 

339 least amount of amorphous iron content, which has been found important for specific sorption of 
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340 As(V) (Goldberg and Johnston, 2001; Dixit and Hering, 2003; Wilson et al., 2010). In 

341 comparison, it was evident that Se(VI) desorbed from the soils easily after the leaching of Day 1 

342 solution (Figure 3d), which is consistent with other studies that have demonstrated its weak 

343 sorption in soils. However, the significant reduction of desorption after the leaching of Day 14 

344 and Day 90 solutions might be attributed to the continuum of sorption mechanisms of oxyanions. 

345 The sorption of Se(VI) could take place via a varying proportion of outer-sphere and inner-

346 sphere surface complexation, which would primarily depend on the environmental conditions 

347 such as ionic strength, solution pH, and surface loading on the soils. The results implied that 

348 more strongly bound complexes could be formed between Se(VI) and soil surface at a high ionic 

349 strength, which was in agreement with previous findings (Neal and Sposito, 1989; Peak and 

350 Sparks, 2002). Therefore, in summary, the transport and sorption/desorption of As(V) and Se(VI) 

351 was both pH- and ionic strength-dependent. 

352

353 It should be noted that redox potential and microbial-mediated transformation can also affect 

354 metal/metalloid speciation and their fate. However, the redox potential of the effluent samples 

355 remained stable under an oxidizing condition (~220 mV) with little fluctuation throughout the 

356 column experiments in this study. Besides, it has been shown that ethylene glycol did not 

357 degrade in a biotic reactor with agricultural topsoil and synthetic fracking fluids over 180 days in 

358 the presence of glutaraldehyde as a biocide (McLaughlin et al., 2016). Therefore, it is anticipated 

359 that the microbial-induced reduction of redox potential imposed negligible influence on the 

360 observed metal/metalloid transport in this study.

361

362 According to the metal mobility and transport behaviour, it may be possible to give an insight 
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363 into the environmental setback distance, i.e., horizontal distance from the perimeter of 

364 contamination to the nearest adjacent property line that is required for protecting public health 

365 (Davies et al., 2004; Hijnen et al., 2005; Pang et al., 2005). The setback distance is positively 

366 related to soil density and the distribution coefficient (Kd) of the non-equilibrium transport model 

367 (Rogers et al., 2015). The values of Kd for As and Se were the largest in Day 90 solution (Table 3 

368 and Table S2), which corroborated the results of area integration of the BTCs (Figure 3). Yet, it 

369 should be noted that the estimation of setback distance should take into account the 

370 compositional variation of on-site produced water and the corresponding transport simulations. 

371 For example, the use of biocide and presence of high salt concentrations during fracking could 

372 inhibit the microbial activities responsible for contaminant attenuation, and consequently 

373 increase the distance that the contaminants are transported (McLaughlin et al., 2016). Therefore, 

374 a comprehensive evaluation of concerned inorganic and organic contaminants as well as 

375 hydrogeological conditions is needed to derive a site-specific setback distance. 

376

377 Conclusions

378 This study has investigated potential interactions between contaminated produced water and soils 

379 representative of shale gas areas in Northeast China. By means of column tests and transport 

380 modelling of As(V) and Se(VI) breakthroughs, the results indicated non-equilibrium transport 

381 behaviour in Day 1 and Day 14 solutions, while the higher ionic strength of Day 90 solution led 

382 to soil aggregation that altered flow transport channels. A rapid desorption of the 

383 metals/metalloids implied a potential contamination risk to the surface/ground water resources. 

384 The influence of produced water on hydrogeological conditions was demonstrated by the change 

385 of tracer breakthroughs before and after leaching of the solutions. However, the interaction 
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386 between PAM in the produced water and soil surfaces was found to be reversible indicating its 

387 dependence on the local conditions. In addition, the results have shown that solution chemistry, 

388 in particular the pH value and ionic strength, has a major influence on the sorption and 

389 desorption of As(V) and Se(VI) in sandy and loamy soils. Future work on sorption mechanisms 

390 is recommended to complement the hydrogeological aspects revealed by this study. 

391 Understanding the observed metal/metalloid transport behaviour in the produced water would 

392 help us derive an environmental setback distance for risk assessment and management. 

393
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Figure 1. Breakthrough curves of metal/metalloid transport in BY soil: (a) Day 1 solution; (b) 
Day 14 solution; (c) Day 90 solution (experimental data:  As(V),  Se(VI),  Sr,  Fe; two-
region physical nonequilibrium model simulation: As(V), Se(VI), Sr, Fe; 
the dashed lines indicated end of sorption phase, and the arrows indicated flow interruptions 
during sorption phase and desorption phase, respectively). 
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Figure 2. Breakthrough curves of lithium tracer in BY soil: (a) upon preconditioning with 
background solution; (b) at the end of leaching of Day 1 solution; and (c) at the end of desorption 
by background solution (○ experimental data; equilibrium model simulation; two-
region physical nonequilibrium model simulation; direct simulation). 
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Figure 3. Sorption (a&b) and desorption (c&d) of As(V) and Se(VI) during the leaching of produced water.
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Table 1. Selected physico-chemical properties of the four surface soils in the Qingshankou shale 
region.

Soil AD BY BX DQ
Bulk density (g cm-3) 1.70 1.65 1.62 1.65
pH 8.8 9.3 8.1 8.3
Soil texture Sandy clay loam Loamy sand Loam Sandy loam
TOC (mg g-1) a 25.3 24.8 10.2 12.4
CEC (cmol kg-1) b 10.3 14.2 16.8 8.90
Fe (mg g-1) c 21.0 45.0 38.7 9.36
Al (mg g-1) c 32.0 24.9 20.4 9.63
Mn (mg g-1) c 1.24 7.67 4.90 0.46
Si (mg g-1) c 10.7 21.8 15.2 6.94

a total organic carbon;
b cation exchange capacity;
c extraction by ammonium oxalate at pH 3.
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Table 2. Composition of the produced water at different stages of hydraulic fracturing process.

Produced Water Day 1 (mg L-1) Day 14 (mg L-1) Day 90 (mg L-1)
Calcium 676 11050 18450
Barium 387 1835 2135

Magnesium 121 938 1700
Sodium 6015 31750 43700
Chloride 8410 79000 123500
Bromide 87.9 708.5 1175
Iron(III) 19.5 74.9 117

Strontium 156.5 3320 3140
Boron 8.1 16.4 17.8

Anionic Polyacrylamide 0.088% (v/v) 0.088% (v/v) 0.088% (v/v)
Ethylene glycol 0.043 (v/v) 0.043 (v/v) 0.043 (v/v)
Glutaraldehyde 0.001% (v/v) 0.001% (v/v) 0.001% (v/v)

Arsenic(V) 0.1 0.1 0.1
Selenium(VI) 0.1 0.1 0.1

pH 7.2 6.5 5.9
Ionic strength (M) 0.35 2.49 4.10
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Table 3.  Parameter values of the two-region physical nonequilibrium transport simulations in BY soil.

Parameters

D (cm2 min-1) a fmo b θim 
c αs (min-1) d Kd (cm3 g-1) e R2 

As(V) 0.00 0.29 1.76 3.44 0.92
Se(VI) 0.28 0.35 2.47 4.72 0.94

Fe 0.65 0.05 2.88 1.73 0.98Day 1

Sr

0.206

0.08 0.35 0.81 22.28 0.98
As(V) 0.34 0.34 11.89 1.28 0.99
Se(VI) 0.23 0.35 0.93 3.51 0.97

Fe 1.00 0.02 1.33 1.02 0.98Day 14

Sr

0.221

0.86 0.35 2.94 1.24 0.97
As(V) 0.03 0.07 1.17 5.19 0.96
Se(VI) 0.00 0.32 1.41 13.74 0.87

Fe 1.00 0.22 0.98 0.94 0.99Day 90

Sr

0.196

0.95 0.28 1.61 1.10 0.99
a hydrodynamic dispersion coefficient;
b fraction of sorption sites in contact with mobile water;
c immobile water content;
d first-order mass transfer coefficient for solute exchange between mobile and immobile water regions;
e distribution coefficient.
Using HYDRUS-1D version 4.16 (Šimůnek et al., 2013)
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Table 4. Parameter values of physical nonequilibrium simulations of lithium transport in BY soil.

Stage a D (cm2 min-1) b fmo c θim 
d αs (min-1) e R f R2 

i 0.99 0.32 0.03 7.72 0.94
ii 0.50 0.17 0.04 5.45 0.93
iii

0.22
0.74 0.20 0.24 8.09 0.92

a Stage: (i) upon preconditioning with background solution; (ii) at the end of leaching of Day 1 produced water; (iii) at the end of desorption by background 
solution;
b hydrodynamic dispersion coefficient;
c fraction of sorption sites in contact with mobile water;
d immobile water content;
e first-order mass transfer coefficient for solute exchange between mobile and immobile water regions;
f retardation factor calculated by using the normalized first temporal moment.
Using HYDRUS-1D version 4.16 (Šimůnek et al., 2013)



Highlights

 Earlier breakthrough of metals with increasing ionic strength of flowback solutions

 Two-region physical non-equilibrium model provided a good fit of metal transport 

 Less non-equilibrium transport in Day 14 and Day 90 than Day 1 flowback solutions

 Tracer tests indicated reversible change of transport channels due to leaching

 Sorption/desorption of As(V) and Se(VI) was both pH- and ionic strength-dependent
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solution; and (g-i) at the end of desorption by background solution.

Figure S5. Illustration of pH and ionic strength effects on the sorption of As(V) and Se(VI) 
on soils.



2

Equilibrium transport model

θ
∂C
∂𝑡 =  𝜃𝐷

∂2𝐶

∂𝑥2 ‒ 𝜃𝑣
∂𝐶
∂𝑥 ‒ 𝜌

∂𝑆
∂𝑡

where x is distance (cm), t is time (min), ρ is bulk density (g cm-3), θ is water content 
(dimensionless), D is the hydrodynamic dispersion coefficient (cm2 min-1), v is average pore-
water velocity (cm min-1), C is solution concentration (mol cm-3), and S is sorbed concentration 
(mol g-1).

The initial condition is:

C (x,0) = 0

The boundary conditions are:

C0 (t) = C0  0 < t ≤ t0

C0 (t) = 0   t > t0

where C0 is the given concentration of the solute.

Two-region physical nonequilibrium transport model

θ = θmo + θim

while θmo is mobile water region (dimensionless) and θim is immobile water region 
(dimensionless).

Total concentration in soil (CT) is:

CT = θmoCmo + fρbSmo + θimCim + (1-f)ρbSim

where Cmo and Cim are for mobile and immobile liquid concentrations, and Smo and Sim for 
mobile and immobile adsorbed concentrations, f is the dimensionless fraction of adsorption sites 
in the mobile region.

Mobile-phase ADE is:

∂
∂𝑡

(𝜃𝑚𝑜𝐶𝑚𝑜) +
∂
∂𝑡

(𝑓𝜌𝑏𝐾𝑑𝐶𝑚𝑜) =
∂

∂𝑧(𝜃𝑚𝑜𝐷𝑚𝑜

∂𝐶𝑚𝑜

∂𝑧 ) ‒
∂(𝐽𝑤𝐶𝑚𝑜)

∂𝑧 ‒ Γ𝑠

Exchange with the immobile phases:

Γ𝑠 = 𝛼𝑠(𝐶𝑚𝑜 ‒ 𝐶𝑖𝑚) =
∂
∂𝑡

(𝜃𝑖𝑚𝐶𝑖𝑚) +
∂
∂𝑡[(1 ‒ 𝑓)𝜌𝑏𝐾𝑑𝐶𝑖𝑚]
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where  is the first-order exchange rate coefficient (min-1) and Jw is the water flux (cm min-1).𝛼𝑠

Table S1. Background mobility of As(V) and Se(VI) tested by European Council Waste 
Acceptance Criteria

AD BY BX DQ

As(V) (μg kg-1) 27.4 20.7 44.6 35.5
Se(VI) (μg kg-1) 2.26 3.10 31.6 48.1
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Table S2. Parameter values of the two-region physical nonequilibrium transport simulations in AD, BX, and DQ soils.
Soil Solution Metal D (cm2 min-1) a fmo b θim 

c s (min-1) d Kd (cm3 g-1) e R2

As 0.32 0.09 3.40 2.02 0.97
Se 0.56 0.32 1.62 7.46 0.91
Fe 0.27 0.02 1.39 1.67 0.96Day 1

Sr

6.075E-4

0.20 0.10 1.00 1.48 0.86
As 0.04 0.08 7.82 1.24 0.95
Se 0.00 0.25 3.22 2.50 0.96
Fe 0.03 0.05 1.25 0.74 0.95AD Day 14

Sr

6.52E-4

0.02 0.08 1.31 0.62 0.94
As 0.21 0.00 4.47 1.00 0.98
Se 0.56 0.00 2.42 2.37 0.97
Fe 0.90 0.29 4.13 1.23 0.99Day 90

Sr

5.779E-4

0.88 0.29 5.80 1.26 1.00
As 0.13 0.38 5.11 2.50 0.96
Se 0.11 0.27 5.83 10.18 0.74
Fe 0.62 0.38 8.30 1.78 0.99Day 1

Sr

0.096

1.00 0.12 3.79 1.82 0.96
As 0.07 0.37 5.57 1.25 0.96
Se 0.02 0.19 1.89 4.35 0.95
Fe 0.46 0.38 7.58 1.28 0.98BX Day 14

Sr

0.093

0.14 0.11 11.81 1.35 0.99
As 0.04 0.38 1.39 4.38 0.94
Se 0.08 0.38 1.89 19.94 0.87
Fe 0.56 0.07 4.46 1.19 0.98Day 90

Sr

0.091

1.00 0.06 2.48 1.05 1.00
As 0.49 0.29 3.16 1.77 0.97
Se 0.35 0.01 7.04 5.92 0.90
Fe 0.20 0.10 1.00 1.00 0.94Day 1

Sr

1.31E-3

0.06 0.38 77.41 1.38 0.92
As 0.45 0.01 1.50 2.39 0.97
Se 0.18 0.16 1.52 7.49 0.90
Fe 0.16 0.05 10.89 1.39 0.95DQ Day 14

Sr

1.30E-3

0.42 0.05 5.02 1.61 0.99
As 0.36 0.34 1.13 6.40 0.93
Se 0.01 0.34 1.88 13.34 0.92
Fe 0.69 0.00 3.56 1.69 0.94Day 90

Sr

1.25E-3

0.10 0.00 4.55 0.93 0.91
a hydrodynamic dispersion coefficient;
b fraction of sorption sites in contact with mobile water;
c immobile water content;
d first-order mass transfer coefficient for solute exchange between mobile and immobile water regions;
e distribution coefficient. 
Using HYDRUS-1D version 4.16 (Šimůnek et al., 2013)
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Table S3.  Parameter values of physical nonequilibrium simulations of lithium transport in AD, BX, and DQ soils.

Soil Stage a D (cm2 min-1) b fmo c θim 
d Kd (cm3 g-1) e s (min-1) f R g R2 

i 0.05 0.32 0.70 8.55 0.93
AD ii 0.0007 0.01 0.03 2.09 0.18 5.08 0.97

iii 0.12 0.24 0.27 7.39 0.94
i 0.65 0.00 1.37 8.67 0.96

BX ii 0.095 0.03 0.38 2.82 0.34 8.29 0.84
iii 0.27 0.00 0.63 9.20 0.90
i 0.97 0.21 0.39 7.42 0.92

DQ ii 0.0012 0.13 0.27 2.24 0.27 5.92 0.87
iii 0.20 0.20 0.87 6.83 0.94

a Stage: (i) upon preconditioning with background solution; (ii) at the end of leaching of Day 1 produced solution; (iii) at the end of desorption by background solution;
b hydrodynamic dispersion coefficient;
c fraction of sorption sites in contact with mobile water;
d immobile water content;
e distribution coefficient;
f first-order mass transfer coefficient for solute exchange between mobile and immobile water regions;
g retardation factor calculated by using the normalized first temporal moment.
Using HYDRUS-1D version 4.16 (Šimůnek et al., 2013)
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Figure S1. Equilibrium model simulations of metal/metalloid transport in BY soil: (a) Day 1 
solution; (b) Day 14 solution; (c) Day 90 solution (experimental data:  As(V),  Se(VI),  
Sr,  Fe; two-region physical nonequilibrium model simulation: As(V), Se(VI), 

Sr, Fe; the dashed line indicated end of sorption phase; the arrows indicated flow 
interruptions during sorption phase and desorption phase, respectively).

(a)

(b)

(c)
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Figure S2. Breakthrough curves of metal/metalloid transport in AD, BX, and DQ soils: (a-c) Day 1 solution; (d-f) Day 14 solution; (g-i) Day 90 
solution (experimental data:  As(V),  Se(VI),  Sr,  Fe; two-region physical nonequilibrium model simulation: As(V), Se(VI), 

Sr, Fe; the dashed line indicated end of sorption phase; the arrows indicated flow interruptions during sorption phase and desorption 
phase, respectively).

(a) (b) (c)

(d) (e) (f)

(g) (h) (i)
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Figure S3. Preliminary results of metal/metalloid transport in columns with a blend of 20% sand by mass (arrow indicated flow cessation, and 
the dashed line indicated end of sorption phase).
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Figure S4. Lithium tracer breakthrough curves in AD, BX, and DQ soils: (a-c) upon preconditioning with background solution; (d-f) at the end 
of leaching of Day 1 solution; and (g-i) at the end of desorption by background solution (○ experimental data; equilibrium model 
simulation;  two-region physical nonequilibrium model simulation; direct simulation).

(a) (b) (c)

(d) (e) (f)

(g) (h) (i)
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Figure S5. Illustration of pH and ionic strength effects on the sorption of As(V) and Se(VI) on soils (PZSE: point of zero salt effect).
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