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Abstract The occurrence, as well as the environmental fate and impact, of vegetable oil spills in

freshwater wetlands have until now been unreported. Thus, the largest global vegetable oil

spillage in a fresh water wetland which occurred at the Con Joubert Bird Sanctuary wetland in

2007, presented an ideal opportunity to evaluate these impacts. Five post-spill sampling sites

were selected within the wetland from which a variety of abiotic and biotic samples were

collected bi-monthly over a period of 12 months. Abiotic variables included the sediment and

water column oil concentrations, total nitrogen, total phosphorous, BOD, silica, chlorophyll a, as

well as in situ measurements of pH, electrical conductivity and dissolved oxygen. Aquatic

macroinvertebrates were chosen as biotic indicators in the field study, due to their wide

applicability as water quality indicators, and collected at each site. Spatial and temporal changes
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in total nitrogen, total phosphorous and chlorophyll a concentrations, as well as changes in pH

were observed. The oil spillage also resulted in an increase in tolerant macroinvertebrate taxa,

mainly Chironomidae and Psychodidae, at the sites closest to the source of the spillage. These

two taxa, and to a lesser extent Syrphidae, were identified as potentially useful indicators to

determine the extent of vegetable oil contamination within a freshwater wetland. Furthermore,

the monitoring of these indicator taxa can be a useful management tool to determine the recovery

of freshwater wetlands after vegetable oil spills. In the study a static battery of bioassays of

different  biotic  trophic  levels  were  also  employ  to  determine  the  adverse  effects  of  the  spilled

vegetable  oil  on  the  biotic  environment.  It  was  evident  from  the  result  of  the  static  battery  of

bioassay that adverse effects of the sunflower oil differ between trophic levels. The latter was in

relationship with the data obtained from the field macroinvertebrate study, indicating that certain

macroinvertebrate families was more tolerant to the adverse effects of sunflower oil than other

families.

Keywords freshwater  wetland,  · sunflower  oil  spill,  static  battery  of  bioassays,  Chironomidae,

Psychodidae

1. Introduction

Aquatic macroinvertebrates can be used to monitor aquatic environments because they are in

constant contact with the surrounding aquatic environment (Chutter 1998; De la Rey et al. 2004).

They are useful for such tasks due to their visibility to the naked eye, ease of identification, rapid
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life cycle and their position in the food chain (Dickens and Graham 2002). Generally, aquatic

macroinvertebrates such as Dytiscidae, Elmidae, Hirudinae, Belostomatidae

Oligochaeta and Chironomidae are responsive to quick changes in water quality with respect to

anthropogenic pollution (Mousavi et al. 2003; Rainio and Niemela 2003; Arimoro et al. 2007;

Oberholster et al. 2009). Aquatic macroinvertebrates have relatively short life cycles (Wu et al.

2004; Takahashi et al. 2008), and changes in the composition and structure of their communities

are dependent on water quality (Marques and Barbosa 2001; Nazarova et al. 2008). Most

importantly, it is known that aquatic macroinvertebrates are sensitive to oil spills and the effect

depends on the type of hydrocarbon-sensitive species present in the aquatic system (Gesteira et

al. 2003; Oberholster et al. 2010). According to Cairns et al. (1993) only biological specimens

can determine the effects of chemical stressors in a ecosystem. These organisms respond

differently to physicochemical condition of the water source. A chain of various biological and

physicochemical links could be applied to diversify the ecological spectrum using sensitive bio-

indicator species (Tripole et al., 2006).

Battery of bioassays are short-term aquatic toxicity tests which are used to determine the adverse

effects of pollutants in sediment and the water column (Clément et al., 2004; Oberholster et al.,

2005). Van Dam et al. (1998) suggested that both toxicity bioassays and monitoring techniques

should be applied in a wetland risk assessment program to determine degradation. According to

Blaise et al. (2004) and Oberholster et al. (2005) bioassays are highly rated in oil spill

remediation programs to provide operational guidance because it can identify potential

detrimental effects from applications and provide a means of quantifying treatment success.
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When oil is spilled in an aquatic environment it can be transformed through various biological,

chemical and physical weathering processes. These processes can then change the behaviour,

composition, exposure routes and toxicity of the oil (USDOC/NOAA 1996). The biodegradation

of oil is affected by dissolved oxygen, pH, occurrences of nutrients in the proper proportions, soil

types, the dispersal of oil, the type of oil, as well as the concentration of undissociated fatty acids

in the water (Cornish et al. 1993; Rigger 1997).

Although there are a lot of information available on the effects of an oil spill on marine, river and

coastal marsh environments (e.g. Zoun et al. 1991; Mudge et al. 1993; Mudge 1995), not much is

known  about  the  effect  of  such  a  spill  on  a  freshwater  wetland.  In  addition,  the  effect  of  oil

contamination within an aquatic environment is difficult to evaluate because of the unavailability

of data prior to a spillage (Bury 1972; Oberholster et al. 2010), but it is known that an oil spill

can cause severe damage to sensitive aquatic organisms and ecosystems (Mudge 1995). There is

also a known delay between exposure during the oil spill and the expression of adverse effects.

This is mainly depended on the toxic constituents within the oil in question or due to the

formation of toxic by-products during degradation within the environment (USEPA 1997).

According to Poulton et al. (1997), oil spills in rivers are known to be associated with an increase

in tolerant aquatic macroinvertebrates (e.g. Chironomidae and Oligochaeta). The reduction of

sensitive taxa such as Trichoptera and Plecoptera in response to such a spill has also been

observed and is likely to persist for a considerable period of time (Lytle and Peckarsky 2001).

Different types of vegetable oils and fats, namely soyabean, rapeseed, palms and coconut, show

similar characteristics in aquatic environments (Frink 1994). When these oils enter an aquatic

environment, their fatty acid constituent enables it, depending on the prevailing physicochemical
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properties,  to  either  float  on  top  of  the  water  surface  and  become  solubilised,  emulsify  in  the

water column or settle on the sediment (USEPA 1997).

Currently, information relating to the effects of vegetable oil spills on freshwater wetlands

including their associated biota is very limited. Thus, the aim of this study was to determine the

temporal and spatial changes of aquatic macroinvertebrates and selected abiotic variables at

various  sites  within  a  wetland  at  the  Con Joubert  Bird  Sanctuary  after  a  sunflower  oil  spill.  A

static  battery  of  bioassays  on  different  biotic  trophic  levels  were  also  employ  to  determine  the

adverse effects of the spilled vegetable oil on the biotic environment and its relationship with

vegetable oil tolerant macroinvertebrates in the field study. Through the information generated

by this study, the authors hope to improve the current knowledge base on the aquatic

environmental effects of vegetable oil spills in freshwater wetlands.

2. Materials and Methods

2.1 Study Area

This study focused on a wetland, approximately 25 ha in size, in the Con Joubert Bird Sanctuary

(26o11′ 20″S 27o41′03″E) within the Randfontein Municipality, South Africa. In the beginning of

September 2007 a sunflower oil storage tank collapsed, causing a spill of 250 ton of sunflower

oil. The spilled oil flowed into the wetland via a water drainage system. Five sampling sites were

chosen to be representative of the entire wetland. The location of the study area as well  as the

respective sampling sites are presented in Fig. 1. Site 1 was located on the eastern side of the
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Fig.  1  Map  of  the  Con  Joubert  Bird  sanctuary  wetland  showing  the  location  of  the  five  sampling  sites  and  the

position of the inflowing storm water

wetland, close to the inflow of the water drainage system from where the sunflower oil spillage

occurred. The marginal vegetation at this site consists mainly of Typha capensis, Phragmites

australis and Lemna sp. Polymerized oil was observed floating on the water surface at this site.

Site 2 was located in the southern part of the wetland and is mainly characterized by Juncus

effuses, Persicaria decipiens, Schoenoplectus brachyceras, Azolla pinnata and Lemna gibba.

Sites 3 to 5 were located on the western side of the wetland and consisted mainly of Azolla

pinnata, Juncus effuses, Typha capensis, Lemna gibba and Persicaria decipiens. The substrate of

all five sampling sites was mainly made up of clay and organic material. The average water

depth over the study period at all of the sites was approximately 20 cm. Sampling was conducted
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over a period of one year that includes the following months: October 2008, and January, April,

June, August and October 2009.

2.2 Water and Sediment

Various in situ measurements such as pH, electrical conductivity and dissolved oxygen were

measured in the field using a Hach™ sension 156 portable multiparameter meter. Duplicate water

samples were collected at the surface and at the bottom using a grab bottle sampler. The grab

bottle sampler was cleaned with alcohol after sample collection at each site to prevent possible

cross contamination of oil. Both the surface and bottom grab bottle samples were pooled together

to form one integrated sample and used to fill three pre-cleaned containers for chemical analyses

and  the  static  battery  of  bioassays.  These  containers  were  filled  and  kept  in  a  cold  and  dark

environment to minimize risks of chemical and biological processes occurring in the bottles

whilst in transit to the laboratory. Various chemical parameters, including total phosphate

(expressed  as  PO4
3-),  total  nitrogen  (expressed  as  the  sum of  NH4

+, NO3
- and  NO2

-) and silica

concentrations were determined in each water sample. Total nitrogen and total phosphate

concentrations were measured using the most appropriate spectrophotometric methods (APHA,

AWWA and WPCF 1992). The determination of biological/biochemical oxygen demand (BOD)

was determined using a standard method by incubating the samples at 20 ºC in the dark for 5

days. The amount of dissolved oxygen was than measured to the consumption of oxygen after a

period of 5 days in the sample. The difference between the initial and final concentration of

oxygen was than calculated (Hauer & Lamberti 2006). Chlorophyll a concentrations were

measured using sub-samples of the integrated water samples collected. Chlorophyll was
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extracted using 80% acetone after an overnight incubation. The chlorophyll a concentrations

were determined spectrophotometrically at 664 nm and 647 nm wavelengths, respectively,

according to Porra et al. (1989). Triplicate sediment samples (upper 5 cm) were taken randomly

at each sampling site using a perspex sediment corer (5 cm in diameter). This was done in order

to determine the spatial extent of oil contamination within the sediment profile (Oberholster et al.

2005). The sediment corer was cleaned with alcohol after each site was sampled to prevent any

oil cross contamination. Sunflower oil in the sediment and the water column were determined by

using the US Environmental Protection Agency (EPA) Gravimetric method 413.1 (Code of

Federal Regulations, Part 136, 1994). This gravimetric method measure oil directly, since only

soluble intermediates constituents (e.g., free fatty acids and glycerol) of vegetable oil are toxic to

organisms. These chemical residues impact organisms by accumulating in the cellular

membranes through disruption of cellular and tissues functionality (French-McCay 2002;

Wincele et al. 2004).

2.3 Aquatic Macroinvertebrates

Aquatic macroinvertebrates were collected using a sweep net (300 x 300 mm frame, 1000 µm

mesh), which included sampling all of the available biotopes (MPCA 2008; de Klerk and

Wepener 2011). The macroinvertebrate samples were immediately preserved in 70% ethanol and

later sorted using a 75 µm mesh sieve. The macroinvertebrates were identified to family level

according to Merritt and Cummins (1996) and Thorp and Covich (2001) by randomly sub-

sampling a tenth of the total sample under a dissection microscope at 20 times magnification.
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These samples were then enumerated. The macroinvertebrates collected within a sub-sample of

the 5 cm diameter sediment core sample were also removed, identified and enumerated.

2.4 Battery of bioassays to determine the adverse effects of vegetable oil on the biotic wetland

environment

The battery of bioassays used in this study included three different trophic level of organisms

which were developed with the following criteria in mind; low cost, organisms and suppliers

locally available, sensitive to a wide-spectrum of organic compounds, reproducible and

representative of more than two trophic levels (producers, grazers and filter feeders). All

bioassays  were  performed  on  a  two  monthly  bases  after  collection  of  water  samples  from  the

selected 5 sampling sites. The following static battery of bioassay methods were employed with

undiluted wetland water (1) algal phytotoxicity and growth inhibition bioassay (Slabbert, 2004),

(2) Daphnia pulex zooplankton bioassay (Slabbert, 2004), (3) .Physa acute snail bioassay

(Mussee et al,. 2011), and the (4) Spirodela punctata bioassay (Vujević et al., 2000).

2.5 Statistical Analyses

Univariate statistics such as Shannon’s diversity index (Shannon 1948) was used to determine

the aquatic macroinvertebrate diversity at each site with the software program PRIMER version

6.0 (Clarke and Gorley 2006). Both species richness and equitability components are

incorporated in the Shannon diversity index. Thus, to obtain a measure of species richness which

is based on a presumed linear relation between the numbers of species and logarithm of the

number of individuals, Margalef’s index (d) was also used (Margalef 1951). Multivariate
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statistics,  such  as  a  redundancy  analysis  (RDA)  plot,  was  constructed  to  determine  the

relationship between the macroinvertebrate community structures identified at each site and the

respective environmental variables measured. These plots were expressed two-dimensionally

where distances among them reflect their relative similarity or dissimilarity. In an ordination plot

the arrows may be used to indicate the direction of the steepest increase, as well as if any

correlation between variables exist depending on whether the angles between them are acute or

not. Significant spatial differences in the concentrations of the selected abiotic variables between

different sites were determined using a one-way analysis of variance (ANOVA). Significance

was assumed as a probability level of p £ 0.05. The temporal data was also subjected to a one-

way ANOVA to determine significantly (p £ 0.05) positive and negative trends. The ANOVA

assumptions of normality and homoscedasticity were checked and confirmed

Table 1 Oil concentrations in the water and sediment samples collected during the study at the five selected
sampling sites



11

3. Results

The oil concentrations in the water and sediment samples are presented in Table 1. The oil

concentrations found within the sediment remained relatively consistent at the different sites

during the course of the study, with a clear spike in concentrations during the second survey. The

site at the source of the oil spill had the highest average oil concentration in the sediment during

the course of the study (site 1 = ~ 25.73 mg/kg) compared to the other sites where the

concentrations ranged between ~ 1.6 mg kg-1 and ~ 5.55 mg/kg. The oil  concentration at  site 1

showed a significant negative trend (p £ 0.05)  over  time.  Generally,  the  sunflower  oil

concentration in the water column decreased after the initial post-spill survey after which it

increased again during the third survey (Table 1). These concentrations then steadily decreased

during the course of the study. Site 1 also had the highest average oil content in the water column

during the course of the study (~ 3.75 mg/L), whereas the rest of the sites ranged between ~ 1.04

mg/L and ~ 2.54 mg/L. In spite of these differences, measured oil contents between the sites

were not statistically significant according to the ANOVA results (p = 0. 406). The average BOD

levels (165 mg/L) were much higher over the study period in the water column of site 5 in

comparison to sites 1, 2, 3 and 4 where BOD concentrations were much lower (61, 72, 81 and 96

mg/L)

The abiotic parameters measured within the sediment and water column showed different spatial

and temporal trends throughout the study period (Fig. 2). The pH levels at all sites increased

initially during the second post-spillage survey, after which it decreased again during the

consecutive trips and remained relatively consistent and only increased again during the last
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Fig. 2 Various chemical parameters measured throughout the 12-month monitoring period in the water column and
sediment
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survey. Overall, the average pH levels at the different sites varied between ~ 7.5 at site 1 and ~

9.3 at site 5. The pH levels measured at these two sites were also found to be significantly

different (p £ 0.05). Overall, sites 1 and 2 had lower pH levels, compared to the rest of the sites,

during the first couple of surveys.

Although a slight increase in electrical conductivity was noticed as the study progressed, no clear

temporal trend was observed and in general, the sites had similar conductivity levels which

generally remained below 1 000 µS/cm. This threshold was only exceeded at some sites during

the last survey. Dissolved oxygen concentrations decreased at all of the sites after the initial post-

spill survey after which it remained relatively constant. However, a spike in dissolved oxygen

concentrations was noticed during the fourth survey at each of the respective sites, but the degree

of the spike varied between the different sites. Silica concentrations showed no clear temporal

trend and the average concentrations fluctuated between 3.3 mg/L at site 4 and 5.3 mg/L at site 1.

These minimum and maximum concentrations recorded at the respective sites were found to be

significantly different (p £ 0.05).

Total phosphate and total nitrogen concentrations decreased at the sites closest to the source of

the oil spill (sites 1 and 2) from the initial post-spill survey, after which total phosphate and total

nitrogen concentrations remained relatively constant at all of the sites through the course of the

study.  The  total  nitrogen  and  total  phosphate  concentrations  at  site  2  and  site  5  showed  a

significant negative trend (p £ 0.05) over time. Sites 1 and 2 had higher total nitrogen and total

phosphate concentrations during the first post-spillage survey when compared to the other sites.
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The chlorophyll a concentrations decreased at sites 3, 4 and 5 during consecutive field surveys,

after which it remained consistent. The sites closest to the origin of the oil spill had the lowest

chlorophyll a concentrations, namely site 1 = ~ 4.2 µg/L and site 2 = ~ 4.8 µg/L.

Fig. 3 The Shannon diversity index (H′) and Margalef richness index (d) of the aquatic macroinvertebrate
communities present at different sampling sites (1–5)

Spatial and temporal changes in macroinvertebrate diversity and richness at each site are

presented in Fig. 3. No temporal trend could be observed. The highest average diversities (H' = ~

1.98) and richness (d = ~ 1.54) during the course of the study was noticed at site 3, whilst the

lowest diversity (H' = ~ 1.16 and 1.19) and richness (d = ~ 1.53 and 1.88) was found at site 2 and

site 1, respectively.

Fig. 4 is an ordination plot and presents the changes in the aquatic macroinvertebrate community

structures with the changes in the abiotic variables overlain. From this plot it can be deduced that

there is a strong relationship between the increase in oil pollution (both in the water and

sediment) with the increase in Chironomidae and Pshycodidae abundances. The data generated

showed that the increase in total nitrogen and total phosphate occurred along with the increase in

oil pollution. These increases resulted in the grouping together of most of site 1 and site 2’s early

sampling points (namely October 2008, January 2009 and April 2009), indicating that these sites,
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Fig. 4 A redundancy analysis plot showing the similarity between sites based on macroinvertebrate abundance data

with water quality variables superimposed (the percentage variance explained on the first axis is 34.9 % and on the

second axis is 20.4 %, with a total explained variance of 55.3 % and R2=0.952)

especially  site  1,  were  the  worst  affected  by  the  oil  pollution.  It  can  also  be  observed  that  an

increase in oil concentrations resulted in a decrease in pH, as well as chlorophyll a

concentrations. This is due to the increase in these concentrations in an opposite direction to that

of the oil concentrations.
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Fig. 5 Chlorophyll contents from R. subcapitata biotest in response to sunflower oil contamination. Seasonal
variation in chlorophyll concentrations: 1 control, 2 spring (October 2008), 3 summer (January 2009), 4 autumn
(April 2009), 5 winter (June 2009), and 6 spring (August and October 2009). Letters a and b indicate significant
differences to the control test (P<0.05)

Inhibitory or stimulatory mechanisms in the R. subcapitata algal bioassay showned that algal

growth was adversely affected by the sunflower oil in the wetland water (Fig.5). All sampling

sites (1-5) showed a decrease in chlorophyll a and b concentration (3.01-1.75 and 2.21-1.03

μg/L, respectively) as compared to average of the control sample (chl a = 4.78 μg/L and chl b =

1.77 μg/L) over the study period. In the Daphnia pullex bioassay, mortalities was noticeable in

the spring 2008 and summer 2009 season with ±85 % and ± 70% survival rate after 48 hrs

treatment in comparison to 100% survival rate in the control test (Fig. 6). However, in the

succeeding seasons (months April 2008 to October 2009) no effect were observed on the biotests

species as compared to control test. The survival rates of P. acute in the water samples collected

at sampling sites showed no adverse effect on the specimens in comparison to the control test
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during all seasons, as no mortality or immobility of P. acute was found in all test and control

containers during the exposure time (100% survival) (Fig 6). Figure 7, illustrate the response of

the biotest species S. punctata to the sunflower oil contaminated water samples of the 5 different

sites. There was no reduction observed over the 72 hours incubation period in S. punctata fronds

growth  as  compared  to  control  plants.  Generally,  the  sensitivity  rates  for  all  sampled  wetland

water of the sampling sites were in the following order: R. Subcapitata > D. pulex > P. acute > S.

punctata, with no difference between the last two tested species.

Fig. 6  Toxicity response among multispecies biotests during four seasons of the study. Sampling dates: spring (October 2008), summer (January

2009), autumn (April 2009), winter (June 2009), spring (August and October 2009). Letter a indicates significant difference with the control test

(P<0.05)
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Fig. 7 Toxicity response after 24, 48, and 72 h of incubation with undiluted wetland water (100 % concentration of
oil-contaminated water) of the five sampling sites. No significant differences with control test were found (P>0)

4. Discussion

Currently there is little (if any) information available on the impacts of vegetable oil spills in

freshwater wetlands. This is due to the fact that vegetable oil spills are not a "traditional" spill

like crude oil, fuel oil, and other petroleum oils within water bodies (Oliveira and Keller 2001).

Previously, incidents of vegetable oil spills have only been reported in rivers, salt marshes and

marine environments. Studies carried out on these events indicated that the spilled oil may

undergo polymerization and persist for up to six years within the environment (Mudge 1997).

Thus,  the  physical  properties  of  vegetable  oils,  as  well  as  their  environmental  fate  and  effect,

appear to be very similar to that of petroleum oils (Crump-Wiesner and Jennings 1975). During

this study the oil concentrations measured in the water was high during the first post-spillage
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field survey, but decreased during the second survey. This is inversely related to the oil

concentrations measured in the sediment which was initially low, but spiked during the second

survey (see Table 1). This phenomenon was due to the oils which settled out onto the sediments

(Mudge 1997; USEPA 1997) during the second survey. Previous studies have demonstrated the

feasibility of removing floating vegetable oil from the water surface by using clay to promote

sedimentation as dense oil-mineral-aggregates (Wincele et al. 2004). Considering that the

average  water  depth  over  the  study  period  was  only  20  cm and  that  the  sediment  composition

was mainly made up of clay, we hypothesize herein that the wind re-suspended the clayey

sediments plunging the suspended oil into the bottom during the second survey (January 2009).

After that, the anaerobic biodegradation of vegetable oil in sediments began (Li et al. 2001,

2005; Li and Wrenn 2004), explaining the drop in oil concentration in sediments over time (see

Table 1). Although clay can effectively transfer vegetable oil from the water to sediments where

anaerobic degradation of vegetable oil can occur, the metabolic intermediates of degradation

may be toxic to microorganisms (Cherrington et al. 1991), mussels (Mudge 1995) and

amphipods (Li et al. 2007). Transient sediment toxicity was also observed during the anaerobic

biodegradation of vegetable oil in freshwater sediments (Li and Wrenn 2004). This fact could

have strong ecological consequences for the macroinvertebrate composition in this study, where

Chironomidae (indicators of pollution) were dominant in the most polluted sites (Fig. 4). Overall,

the oil concentrations in the water and sediment decreased during the course of the study,

although some fluctuations do occur, with the concentrations in the sediment having a negative

trend over time. These results indicate that most of the spilled oil settled out onto sediment

relatively quickly after the spillage has occurred from where it degraded over time.
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The initial increase in oil concentration measured in the water column corresponded to the initial

increase in total nitrogen and total phosphate concentrations (Table 1 and Fig. 2), which correlate

with the multivariate analysis of the abiotic variables (Fig. 4). The sites closest to the source of

the spillage, namely sites 1 and 2, had the most noticeable increase in total nitrogen and total

phosphate during the initial survey, but also had the lowest chlorophyll a concentrations. This

indicates that vegetable oil increases the total nitrogen and total phosphate concentrations in the

water column and also, as in the case of crude oil, inhibits the growth of microalgae (Fabregas et

al. 1984), which resulted in the decreased concentrations of chlorophyll a. The pH levels found

at sites 1 and 2 were also low during the initial survey, when compared to the other sites, but

appeared to stabilize and follow a similar trend to that observed at the other sites during the

course of the study. In the case of the pH values at site 1, which was the closest to the spillage,

and site 5, which was the farthest from the spillage, the values were found to vary significantly.

This corresponds with the decrease in chlorophyll a observed at these sites as increased

photosynthesis of the aquatic vegetation (including algae) results in an increase of the pH in

standing water (Barkay et al. 1989; Mason et al. 1995; DWAF 1996; Ravichandran 2004). No

clear relationship could be observed between the temporal changes in vegetable oil concentration

and that of electrical conductivity, dissolved oxygen and silica concentrations. The observed

changes may be as a result of seasonal variability as there would be an increase in productivity

during certain seasons, which in turn will impact on certain abiotic factors, for example dissolved

oxygen, etc. (Dallas and Day 1993). However, depletion of dissolved oxygen from the water

column has been reported by other authors (Calanog et al. 1999). The higher BOD values

measured at sampling site 5 was possibly due to microbial processes utilizing the oxygen from

the water column during degradation processes of the sunflower oil.
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The sunflower oil contaminated freshwater showed adverse effects on the tested specimens D.

pulex at  two  sampling  sites  (1  to  2)  while  at  sites  3  to  5  no  toxicity  was  observed  during  the

entire study period. This may indicate that the toxicity of the sunflower oil concentrations at sites

1 to 2 were above species threshold level in comparison to the control. The species R.

Subcapitata showed significant different toxicity effects after exposure for 72 hrs to the water

samples from the wetland as measured as chlorophyll a and b concentrations in comparison to

the  control.  According  to  Baun  et  al.  (2000)  the  use  of  this  species  is  regarded  as  the  most

sensitive bioassay test of pollutants in water followed by the daphnids and duckweed bioassays.

Masojídek et al. (2011) reported that the mechanisms causing the biotest’s sensitivity was

strongly related to the processes of adaptation of R. subcapitata to the experimental water

samples. The results of this bioassay showed significant differences amongst the seasons

(October 2008, January 2009, April 2009, June 2009, August 2009 and October 2009) in

chlorophyll a concentrations as compared to the control sample. From the data it was evident that

the  sunflower  oil  toxicity  was  at  cellular  level,  which  possibly  affected  the  pathway  of

photosynthesis by effecting chlorophyll a and b (Baryla et al., 2001). However, the Physa acute

(snail) biotest showed no susceptibility or stress and mortality to the sunflower oil impacted

water samples during the incubation period at all sampling sites (1-5) in comparison to control

sample. Greer et al. (2001) reported in their study that snail growth in oil impacted environments

could be related to the reduction of petrochemical toxicity and an increase in microorganism’s

growth following nutrient amendment. In the case of sunflower oil pollution, there was no

previous published information focusing on the assessment of its toxicity to different life stages

of  aquatic  snails.  It  was  evident  from  the  result  of  the  four  different  battery  of  bioassay  that
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toxicity effects differ between trophic levels, since various forms of biota differ in their

sensitivity to toxicants. The latter observations were in relationship with the data obtained in the

field macroinvertebrate study, indicating that certain macroinvertebrate families was more

tolerant to the adverse effects of sunflower oil than other families.

According to Dallas and Day (1993), water quality is one of the most important factors which

influence an aquatic ecosystem’s integrity as the distribution of aquatic freshwater organisms is

controlled mainly by water quality characteristics, including dissolved oxygen, acidity and

nutrient content. Aquatic macroinvertebrates are an important component in aquatic foodwebs

which link organic matter and nutrients with higher trophic levels (Yoshimura et al. 2006).

Various environmental variables are known to influence macroinvertebrate assemblages (Collier

1995; Wright 1995) and result in changes in their density and/or biomass (Idyll 1943; O’Connel

and Campbell 1953). From Fig. 4 it can be deduced that at sites 1 and 2, located near the source

of  the  spillage,  a  good  correlation  exist  between  the  relative  dominance  of  Chironomidae  and

Psychodidae,  and  to  a  lesser  extent  Syrphidae,  and  the  increase  in  oil  within  the  sediment  and

water during the initial post-spillage field surveys. These changes highlight modifications in the

composition of dominant taxa (Leland et al. 1989), for example shifts from sensitive to less

sensitive species (Norris et al. 1982; Clements 1994).

The relationship illustrated in Fig. 4, where an increase in Chironomidae and Psychodidae was

observed along with an increase in oil concentrations in the sediment and water, indicates their

relative tolerance to this type pollution and their ability to thrive under these circumstances.

These findings confirm previous studies that noted that Chironomidae are generally linked to low
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dissolved oxygen concentrations and high organic matter (Ocon et al. 2008). Among all the

macroinvertebrate taxa, Chironomidae is one of the richest groups in species that are found in

freshwater habitats (Cranston 1995). Because they spend most of their developmental time in the

sediments  surface,  where  they  remain  exposed  to  different  toxicants,  as  well  as  having  a  short

life cycle, Chironomidae are well known as indicators of pollution (e.g. Rosenberg 1992). In

general it is recognized that taxa assemblages tend to be mostly dominated by a few species in

polluted sites (e.g. Astin 2006) and that Chironomidae species can greatly contribute to this

increased dominance (Camargo et al. 2004). Because of that, and due to the difficulty of

identifying the species in their larval stage, they are often considered in biotic indices at family

level (Marziali et al. 2006). On the other hand, when continuously exposed to stress or pollution,

late instars of some chironomid larvae frequently develop deformities in the mouthparts. These

deformities are a reflection of the environmental pollution (Watanabe et al. 2000; Martinez et al.

2004). This means that Chironomidae, which in the present study showed a clear relationship

with more polluted sites (Fig. 4), have great potential to be used as bioindicators, either in biotic

indices or through the analysis of deformities. Thus, knowing the effect of vegetable oil pollution

on Chironomidae, becomes a topic of great importance for future biomonitoring studies. The

results found herein also infer the similar environmental fate of vegetable oil pollution to that of

petroleum, as Oberholster et al. (2005) also found higher abundances of Chironomidae in a

petroleum contaminated environment.

The fact that the Psychodidae increased its density at more polluted sites (sites 1 and 2) presents

an  ecological  problem  with  direct  implications  for  human  health,  as  species  of  this  family  are

vectors of the disease leishmaniases. The Leishmania parasites develop to an infective form
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inside the gut of Psychodidae and are injected together with saliva into a mammalian host during

blood feeding (Kato et al. 2006). Another taxon that also showed a relatively good relationship

with that of the oil concentrations was Syrphidae. This family is known to thrive well in shallow

polluted waters that permit the tip of the extended caudal respiratory tube to be projected just

above the surface (James 1979; Arimoro et al. 2007). On the other hand, Oligochaeta did not

show any relationship with increasing vegetable oil pollution, although they are known to thrive

in polluted environments. These macroinvertebrates appeared to be more present at the less

impacted, more oxygenated sites. Aquatic macroinvertebrates are especially sensitive to organic

pollution (Assmuth and Penttilä 1995) and are capable of integrating these effects during their

lifetime (Ten Brink and Woudstra 1991). Macroinvertebrate assemblages dominated by high

numbers of a single macroinvertebrate family are generally indicative of stressed ecosystems as

these organisms are less sensitive to various impacts than any other major macroinvertebrate taxa

(Warwick and Clarke 1993). Thus, from the data generated it was evident that the Chironomidae

and Pshycodidae can be used as indicator organisms to determine the impacts of vegetable oil

spills on freshwater wetlands. Furthermore, changes in the assemblage of these indicator taxa can

be a useful management tool for remediation measures during post-spill conditions.

5. Conclusions

Vegetable oil pollution in freshwater wetlands has, to our knowledge, not been reported

previously and its environmental fate and effects are relatively unknown. Spatial and temporal

changes in selected abiotic factors have been observed, and as a result total nitrogen, total

phosphate , BOD and chlorophyll a concentrations,  as  well  as  pH  levels  were  observed  to  be
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affected by an increase in vegetable oil pollution. A shift in the macroinvertebrate assemblages

studied at the selected sites was noticed with a clear increase in tolerant macroinvertebrate taxa

noticed  at  the  sites  that  was  most  impacted  (sites  1  and  2).  As  a  result,  two core  taxa,  namely

Chironomidae and Psychodidae, and to a lesser extent Syrphidae, were identified as potential

indicators of vegetable oil contamination within a freshwater wetland. These indicator taxa can

be a useful management tool to determine if freshwater wetlands impacted by vegetable oil spills

are recovering after employing remediation measures. An integrated assessment gathers

complementary lines of evidence of an ecological effect/ecological integrity of a system. We

conclude that, given the realistic nature of the in situ studies, they should be considered in this

strategy.
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