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ABSTRACT

The haloacetamides (HAcAmSs), an emerging class of nitrogen-containing disinfection byproducts

(N-DBPs), are highly cytotoxic and genotoxic, and typically occur in treated drinking waters at low

ug/L concentrations. Since many drinking distribution and storage systems contain unlined cast iron

and copper pipes, reactions of HAcAms with zero-valent iron (ZV1) and metallic copper (Cu) may

play a role in determining their fate. Moreover, ZVI and/or Cu are potentially effective HAcAm

treatment technologies in drinking water supply and storage systems. This study reports that ZVI

alone reduces trichloroacetamide (TCAcAm) to sequentially form dichloroacetamide (DCAcAm)

and then monochloroacetamide (MCAcAm), whereas Cu alone does not impact HACAmM

concentrations. The addition of Cu to ZVI significantly improved the removal of HACAms, relative

to ZV1 alone. TCAcAm and their reduction products (DCAcAm and MCAcAm) were all decreased

to below detection limits at a molar ratio of ZV1/Cu of 1:1 after 24 h reaction (ZVI/TCAcAm=0.18

M/5.30 uM). TCAcAm reduction increased with the decreasing pH from 8.0 to 5.0, but values from

an integrated toxic risk assessment were minimised at pH 7.0, due to limited removal MCACAmM

under weak acid conditions (pH = 5.0 and 6.0). Higher temperatures (40 °C) promoted the reductive

dehalogenation of HAcAms. Bromine was preferentially removed over chlorine, thus brominated

HAcAms were more easily reduced than chlorinated HAcAms by ZVI/Cu. Although

tribromoacetamide was more easily reduced than TCAcAm during ZV1/Cu reduction, treatment of

tribromoacetamide resulted in a higher integrated toxicity risk than TCAcAm, due to the formation

of monobromoacetamide (MBACAmM).
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1. Introduction

Nitrogenous disinfection by-products (N-DBPs) have received increasing attention because they are

more toxic than the regulated trihalomethanes (THMSs) and haloacetic acids (HAAS) (Plewa et al.,

2007, 2008; Yang and Zhang, 2013; Liu and Zhang, et al., 2014; Chu et al., 2015a). As a result of

rapid population growth and rising water demand, drinking water source waters are facing threats

of insufficiently treated wastewater discharges and algal blooms (Shah and Mitch, 2012; Chu et al.,

2015b). These polluted water sources are characterized by higher levels of dissolved organic

nitrogen (Dotson and Westerhoff, 2009; Liu et al., 2013), , which is linked to their frequent

occurrence in chlor(am)inated drinking water (Krasner et al., 2006, 2013; Richardson et al., 2008,

2014; Goslan, et al., 2009; Bond et al., 2011, 2015; Chu et al., 2012; Hou et al., 2012). Among these

N-DBPs, haloacetamides (HAcAms) were found to be highly cytotoxic and genotoxic in

mammalian cell assays, i.e. 142> more cytotoxic and 12> more genotoxic than HAAs (Plewa et al.,

2007; Richardson et al., 2007). They are the most cytotoxic of all DBP classes measured to-date,

and are the second-most genotoxic DBP class, just behind the halonitriles (Plewa and Wagner, 2015;

Richardson and Postigo, 2015). Among HAcAms, dichloroacetamide (DCAcAmM) is typically found

at the highest concentration, with trichloroacetamide (TCAcAm) and monochloroacetamide

(MCAcAm) reported infrequently in low-bromide sources (Krasner et al., 2006; Richardson et al.,

2007; Chu et al., 2012). The elevated toxicity of TCAcAm and DCAcAm were also observed in the

recent studies based on metabonomics (Zhang et al., 2013; Yu et al., 2015), and DCAcAm presented

significantly higher cytotoxicity and genotoxicity than halomethanes (Yang et al., 2014). While

chlorinated HAcAms tend to occur at higher concentrations than their brominated analogues in

drinking water (Krasner et al., 2006; Bond et al., 2011; Chu et al., 2012), the latter are actually more
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cytotoxic and genotoxic (Plewa et al., 2008), Therefore, it is important to control both chlorinated
and brominated HAcAms in drinking water.

Generally, DBP control strategies can be divided into three categories: (1) removal of DBP
precursors prior to disinfection, (2) modification of disinfection practices to minimize DBP
formation, and (3) removal of DBPs after formation. It has been reported that various pre-treatments
in drinking water treatment plants (DWTPs) can achieve good removal of HACAm precursors (Chu
etal., 2011, 2014, 2015a; Xie et al., 2013), as well as for other N-DBPs (Bond et al., 2011; Shah et
al., 2012). Efforts have also been made to study HACAm formation mechanisms with the purpose
of acquiring the knowledge to reduce their formation during chlorination (Shah and Mitch et al,
2012; Huang et al., 2012; Wang et al., 2014; Chu et al., 2015b). However, DBP formation can also
occur in water distribution systems, due to reactions involving residual chlorine (Rossman et al.,
2001). There remains an information gap on the removal of N-DBPs after their formation.

The polar nature of HAcAms (Figure SM1), including MCAcAm, DCAcAm and TCACAmM,
suggests that reductive dehalogenation is a potential route for their removal. Furthermore, the end
products of dehalogenation (i.e. non-chlorinated acetamide) are of low-toxicity to humans and the
environment (Plewa et al., 2008). This motivated us to consider the potential of reductive
dehalogenation technologies to reduce the levels of HAcAms in drinking water.

Since Gillham and O'Hannesin discovered that metallic iron fillings could be utilized in
groundwater remediation (Gillham and O'Hannesin, 1994), the use of zero-valent iron (ZVI, Fe°%)
for in-situ remediation of groundwater contaminated by chlorinated organic compounds has
received considerable attention (Dries et al., 2004; He et al., 2010; Kohn et al., 2005; Liu and Lowry,

2006; Zhang et al., 2011). Moreover, to enhance dehalogenation and prolong the activity of ZVI, a
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second transition metal (e.g. Pd, Ni, Ru and Pt) with high hydrogenation ability can be incorporated

in a bimetal system, such as applied for the remediation of carbon tetrachloride (Feng and Lim,

2007; Wang et al., 2009), chloroform (Feng and Lim, 2007; Wang et al., 2009), dichloromethane

(Feng and Lim, 2007; Wang et al., 2009), tetrachloroethylene (Lien and Zhang, 2001; Zhang et al.,

1998), trichloroethylene (Lien and Zhang, 2001; Tee et al., 2009; Zhang et al., 1998), dichloroethene

(Lien and Zhang, 2001; Zhang et al., 1998), 1,1-dichloroethane (Cwiertny et al., 2006), 1,1,1-

trichloroethane (Cwiertny et al., 2006; Lien and Zhang, 2001, and 1,1,2,2-tetrachloroethane (Lien

and Zhang, 2005)

Finished drinking water is often distributed from DWTPs to consumers by unlined cast iron

pipes, and sometimes copper pipes (Ridgway et al, 1981; McNeill et al, 2001; Lin et al, 2001;

Niquette et al, 2000). During distribution, drinking water is also often stored in storage ponds made

from iron materials, with copper materials also sometimes used to inhibit the growth of

microorganisms (Kooij et al, 2005; Teng et al, 2008; Critchley et al, 2001; Lehtola et al, 2004). It is

important to proactively examine the potential of ZVI, Cu, and their combination (ZV1/Cu) for the

reductive dehalogenation of HAcAms and possible application in drinking water distribution and

storage systems. Therefore, the objective of this study was to examine the potential of three

reductive dehalogenation technologies - ZV1 alone, Cu alone, and combined ZV1/Cu - for removing

HAcAms in drinking water. This is the first study to report findings about N-DBP removal by

reductive dehalogenation methods. Both chlorinated and brominated HAcAms were considered.

The changes of HAcAms concentrations and integrated toxic risk caused by HAcAms were also

examined.
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2. Materials and methods

2.1. Materials

MCAcAm (98.5%), DCAcAm (98.5%) and TCAcAm (99%) standards were obtained from Alfa
Aesar (Karlsruhe, Germany), and five bromine-containing HAcAms (bromochloroacetamide
[BCACAm], dibromoacetamide [DBACAM], bromodichloroacetamide [BDCACAm],
dibromochloroacetamide [DBCAcAmM] and tribromoacetamide [TBAcAmM]) were purchased from
Orchid Cellmark (New Westminster, BC, Canada). Monobromoacetamide (MBAcAm) and three
HAAs (monochloroacetic acid [MCAA], dichloroacetic acid [DCAA] and trichloroacetic acid
[TCAA]) were supplied by Sigma-Aldrich (St Louis, Missouri, USA). Sodium acetate anhydrous,
2-(N-morpholino)ethanesulfonic acid (MES, 99%) and tris(hydroxymethy)aminomethane (TRIS,
99.9%) were purchased from Aladdin Industrial Inc (Shanghai, China). The ZVI (>99.99%) and
copper (>99.99%) powders were also supplied by Sigma-Aldrich (St Louis, Missouri, USA).
Ultrapure water was produced with a Millipore Milli-Q Gradient water purification system
(Billerica, MA, USA). All the other chemical reagents were at least of analytical grade, and obtained
from Sinopharm Chemical Reagent Co., Ltd (Shanghai, China) unless otherwise noted.

2.2. Experimental procedure

Batch reduction tests were performed by adding selected doses of ZVI and/or Cu powder (doses
range: ZVI =0.2~10.0 g/L [0.004~0.179 M]; ZVI/Cu molar ratio = 1.1, except as noted) to 250-mL
sealed glass bottles containing 50 mL one of the following trihalogenated HACAms: TCAcAm,
BDCAcAmM, DBCAcAmM or TBAcAmM (5.30 uM, except as noted). Before each experiment the
reaction bottles were purged with nitrogen to remove air. Each run lasted for 24 h and the bottles

were placed on a water bath shaker at 150 r/m to make the solid and liquid well-mixed and keep the
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temperature constant at 25 0.2 °C unless otherwise noted. Sodium acetate (0.1 M), MES (0.03 M)
and Tris (0.05 M) were used as a pH 7.0 +0.2 buffer (Keenan and Sedlak, 2008) unless otherwise
noted.

2.3. Analytical methods

At selected time intervals, 10 mL of reaction solution was filtered through 0.22 um syringe filters
and 4 g anhydrous sodium sulfate was added into the filtered sample. Then HAcCAms were
immediately extracted into 2mL methyl tert-butyl ether (MTBE), and were analyzed using gas
chromatography (GC) coupled with an electron capture detector (ECD) (QP 2010 plus, Shimadzu,
Japan). Injections of 1.0 uL of the extract were introduced via a splitless injector onto a GC column
(RTX-5, 30-m x0.25-mm ID, 0.25-um film thickness). The column oven was initially held at 40 °C
for 10min, ramping to 200 °C at 20 °C/min and holding for 2 min. The injection port was controlled
at 180 °C and the ECD detector temperature was 320 °C. Three HAAs (MCAA, DCAA and TCAA)
were also analyzed by the GC/ECD (QP 2010 plus, Shimadzu, Japan) according to US EPA method
552.2 (USEPA, 1995; Chu et al, 2014). The detection limits for TCAcAm, DCAcAmM, MCACAm,
TCAA, DCAA, and MCAA were 0.01, 0.01, 0.05, 0.05, 0.05, and 0.07 pM, respectively.
Brominated HAcAms, were analyzed by combining high pressure liquid chromatography and triple-
quadrupole mass spectrometry (HPLC/tqMS). The HPLC (e2695) from Waters (Milford, MA),
employing a Hypersil GOLD C18 packed column (100 x 2.1 mmi.d., 5 u m) with a Hypersil GOLD
precolumn (10 x 2.1 mm i.d., 5 p m) (Thermo Scientific; Waltham, MA) was used for separation.
After separation, a tqMS (TSQ Quantum Access MAX) from Thermo Scientific (Waltham, MA)
was used to detect all brominated HAcCAms by positive atmospheric pressure chemical ionization

combined with the selective reaction monitoring mode. The optimal operating parameters were as
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follows: discharge current at 4.0 pA, vaporizer temperature at 350 <C, sheath gas pressure at 40 psi,
capillary temperature at 250 <C, and collision pressure at 1.5 m Torr. Detection limits for all
brominated HAcAm were below 0.01 uM. More details of the DBP analyses are presented
elsewhere (Krasner et al., 2006; Chu et al., 2012, 2014). All samples were prepared in triplicate and
the error bars in the figures represent the standard deviations from triplicate measurements. Relative

standard deviations (n = 3) of all samples were all below 7%.

3. Results and discussion

3.1. Reduction of chlorinated HACAms by ZV1

[Figure 1]

Figure 1 shows the time-dependent changes of concentrations for three chlorinated HACAmMS
(TCAcAm, DCAcAm and MCAcAm) at different ZVI doses. As shown in Figure 1a, at a low ZVI
dose (0.2 g/L), TCAcAm concentrations slightly decreased from the initial 5.30 £0.27 uM to 4.57
+0.23 uM over 24 h, which equates to a very low pseudo-first-order reduction rate of 0.01 h™ (Table
SM1). In contrast, at higher ZVI doses (5.0 g/L and 10.0 g/L), TCAcAm concentrations presented
a significant reduction and the pseudo-first-order reduction rate increased to 0.18 h"tand 0.43 h?,
respectively (Table SM1). After 24 h, TCAcAm was completely removed at ZVI doses of 5.0 g/L
and 10.0 g/L.

As shown in Figure 1b and 1¢c, DCAcAm and MCAcAm were both undetectable after 24 h at
the lowest ZVI dose (0.2 g/L). This indicated the slight reduction of TCAcAm at the low ZVI dose
(0.2 g/L) was probably due to the very slow hydrolysis of TCAcAm at pH 7.0 (Glezer et al., 1999;

Reckhow et al., 2001; Chu et al., 2009a), as shown in Equation (1), rather than dechlorination. It

9



170

171

172

173

174

175

176

177

178

179

180

181

182

183

184

185

186

187

188

189

190

191

should be noted that the hydrolysis of TCAcAm, DCAcAm and MCAcAm is all negligible in 24 h
when solution pH is lower than 7.0 (Chu et al., 2009a, 2013). This was also been confirmed by our
control experiments. When the ZVI dose increased to 5.0 g/L, DCAcAm concentrations increased
from initial value of < 0.01 uM to 1.64 £0.08 uM and 1.67 +0.08 uM after 6 h and 12 h respectively,
before decreasing to 0.92 +0.05 uM at 24 h (Figure 1b). Data at 10.0 g/L followed a similar pattern,
except no DCAcAm was detected after 24 h. Furthermore, MCAcAm increased over a 24 h period,
from an initial value below the detection limit to 0.47 uM (ZVI dose = 5.0 g L™). At a higher dose
of ZVI (10 g L'Y), MCAcAm first increased to 0.58 +0.03 uM after 12 h and then decreased to 0.26
+0.01 uM by 24 h. (Figure 1c). As shown in Figure 1d, the sum of three HACAm concentrations
also decreased as the ZVI dose increased from 0.2 g/L to 10.0 g/L. The enhancement in the reduction
of three HACAms with increasing ZVI dosages was probably due to the increasing availability of
adsorption/reduction sites at the higher doses (Wang and Zhang, 1997; Xia et al., 2014).

Many environmentally significant contaminants, such as the chlorinated hydrocarbons
mentioned above, can serve as the ultimate electron acceptors during reductive dehalogenation.
Likewise, the reduction of HAcAms by different iron species is essentially a surface-mediated,
electrocatalytic reaction. Generally, the possible dehalogenation pathways for these contaminants
can be divided into three categories: (i) direct electron transfer from ZVI to chlorinated
hydrocarbons; (ii) reduction by ferrous iron (Fe?) formed from ZVI reduction; and (iii)
electrocatalytic reduction by hydrogen formed from ZVI reduction (Guan et al., 2015). We
examined the impact of Fe?* by dosing Fe?* instead of ZV1 under the same reaction conditions, and
found TCAcAm concentrations did not significantly change, and DCAcAm and MCAcAm were

not detected over 24 h (Figure SM2). Most researchers accept that the reductive dechlorination of

10
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chlorinated organics occurs on the surface of ZVI by pathway (i) (Equation 2-6), because the

reduction rate of chlorinated organics by pathways (ii) and (iii) is very slow (House et al., 1972;

Warren et al., 1995; Maithreepala et al., 2004). Based on dechlorination pathway (i) (direct electron

transfer from iron to chlorinated hydrocarbons), the dechlorination of TCAcAm, DCAcAm and

MCAcAm by ZVI can be represented as follows:
CCIsCONH; + H,O — CCIsCOOH + NH3

(TCACAM) (TCAA)

CCI:CONH; + H* + Fe® — CCI,HCONH; + Fe* -+ CI

(TCAcAm) (DCACAM)

CCI,HCONH; + H* + Fe® — CCIH,CONH; + Fe** + CI

(DCACAmM) (MCACAmM)

CCIH,CONH; + H* + Fe® — CH3CONH, + Fe?* + CI-

(MCACAmM) (AcAm)

CCI;CONH; + 2H" + 2Fe® — CCIH,CONH; + 2Fe®* -+ 2CI"

(TCACAmM) (MCACAm)

CCI;CONH; + 3H" + 3Fe® — CH3CONH; + 3Fe?" -+ 3CI-

(TCACAmM) (AcAm)

[Fe**] = [DCAcAM] + 2[MCAcAM] + 3[AcAm]

@

2

©)

(4)

®)

(6)

()

As shown by Equation (2), reduction of 1 M TCAcAm to DCAcAm will produce 1 M Fe?". As

11
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shown in Equation (5), generated by merging Equations (2) and (3), if 1 M TCAcAm is reduced to
MACAm, 2 M Fe?* will be formed. Similarly, if 1 M TCAcAm was reduced to acetamide (AcAm),
3 M Fe?* will be formed (Equation 6, generated by merging Equations (2), (3) and (4)). Therefore,
the Fe?* formed by dechlorination of TCAcAm with ZVI should theoretically equal the sum of
[DCAcAM], twice the [MCAcAm] and three times [AcAm] (AcAm concentration is equal to the
initial TCAcCAm minus the remaining TCAcAm as well as the formation of DCAcAm and
MCAcAm), with concentrations in moles (Equation 7). As shown in Figure 1e, there is a good
correlation between the theoretical Fe2* concentrations calculated using the equations above and the
actual detected Fe?* concentrations from 1 h to 24 h at pH 7.0. Further, the actual detected Fe?*
concentrations was slightly lower than the theoretical calculated Fe?* (the slope is 1.19), indicating
limited Fe oxide was formed on ZVI, because the reaction was conducted under anaerobic
conditions. Overall, the strong correlation between the theoretical calculated Fe?* concentrations
and the actual detected Fe* concentrations (Figure 1e) and the formation of DCAcAm (Figure 1b)
and MCAcAm (Figure 1c) suggest direct dechlorination of TCAcAmM by ZVI was the primary
operative reaction process, in agreement with the recent study discovering the direct reduction of

Se (V) by detecting Fe?* release (Liang et al., 2014).

3.2. Integrated toxic risk caused by HAcAms during ZV1 dehalogenation

Plewa and colleagues systematically investigated the cytotoxicity and genotoxicity of HACAmMSs
(Plewa et al., 2008), and found the combined toxicity values (cytotoxicity plus genotoxicity) of
MCAcAMm (1310 M™) was significantly higher than DCAcAm (168 M™) and TCAcAm (233 M%)

(Table SM2). To further compare the toxic effect of HAcAms during ZVI reductive dehalogenation,

12
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we undertook a preliminary toxic risk analysis by calculating the toxic risk value of each HACAm
(YYang et al., 2013), obtained by multiplying the combined toxicity value (Plewa et al., 2008) by its
concentration as recorded under different conditions during this study. Then, the integrated toxic
risk value was calculated by summing values for the three chlorinated HAcAm (Table SM2), as
shown in Figure 1f. The relative calculation formula is shown below:
ITRVi= = [CTVHacam X CHacam, ] (8)
ITRV: — Integrated toxic risk value at t h
CTVHacam — Combined toxicity value (M?) of each detected HACAmM
Cnacam, t — Concentration of each HAcAm (nM) at th

As shown in Figure 1f, at ZVI = 0.2 g/L, the integrated toxic risk value for the three chlorinated
HAcAms over 24 h was stable due to low removal of TCAcAmM. When the ZV1 dosage was increased
to 5.0 g/L, the integrated toxic risk decreased from the initial value of 1.20>10° to 5.7610° at 6 h,
and then increased to 9.02x10° at 12 h and 7.75x10° at 24h. This is mainly attributable to the
formation of MCAcAM over long time periods (Figure 1c), as this compound has higher combined
toxicity than DCAcAm and TCAcAm (Plewa et al., 2008, Table SM2). When the ZVI dose was
further increased to 10.0 g/L, the pattern of integrated toxic risk values was similar to ZV1=5.0 g/L,
except that values were further decreased to 3.4310° at 24 h due to removal of MCAcAm at the
highest ZVI1 dose (10.0 g/L). Since MCAcAm, which has high combined toxicity, was not

effectively removed, the ability of ZVI to dehalogenate HACAms needs to be enhanced.

3.3. Removal of HAcAms by metallic Cu
As shown in Figure SM3, the concentrations of TCAcAm did not change significantly at applied

Cu doses, and DCAcAm and MCAcAm were undetectable over 24 h. As DCAcAm and MCAcAmM
13



263

264

265

266

267

268

269

270

271

272

273

274

275

276

277

278

279

280

281

282

283

284

were not formed from TCAcAm, the effect of Cu alone on reduction of DCAcAm and MCAcAmM
was investigated separately. The results showed that Cu alone was also not effective for the
reduction of DCAcAmM and MCAcAm. Therefore, it was confirmed that metallic Cu alone cannot
effectively reduce the three chlorinated HACAms in drinking water. This is because Cu(11) (E%cuz+/cu]
=+0.34V at 25°C) has a significantly higher (more positive) reduction potential than Fe(11) (E%rez+/re]

=-0.45V at 25°C) (Hoang et al., 2011).

3.4. Removal of HAcCAms by ZV1/Cu

The impact of Cu addition on the reduction of HAcAms by ZV1 was also investigated (Figure SM4).
As seen, the dechlorination of TCAcAm was increased when Cu and ZV1 were dosed together into
TCAcAm solution. The pseudo-first-order reduction rate of TCAcCAm increased from 0.43 h'
(Table SM1) t0 0.60 h (Table SM3) when ZVI alone was changed to ZV1/Cu at ZVI/Cu molar ratio
=1:1and pH =7.0. Figure SM4 investigated the influence of ZVI/Cu molar ratio on the removal of
HAcAms. The reduction in TCAcAM reached the optimal efficiency at a ZVI/Cu molar ratio of 1:1.
82.3% TCAcAmM was reduced at ZV1 dose = 10.0 g/L after 3 h. After 24 h, TCAcAm and DCAcAmM
were both undetectable at all selected ZVI/Cu molar ratios at ZVI dose = 10.0 g/L. Thus, only
MCAcAm was detected and moreover MCAcAmM was reduced to below the detection limit when
the ZVI/Cu molar ratio was 1:1. In general, the addition of Cu strengthened the reductive
dehalogenation of HACAms by ZVI, and the optimal ZVI/Cu molar ratio was 1:1 for reduction of
HAcAms. As previously reported, in the primary battery system, the potential difference between
Fe and Cu (0.78 V) is even higher than that between Fe and Fe?* (0.45 V), thereby the addition of

Cu can accelerate corrosion of the ZV1 surface and raise the reactivity of ZVI (Ma and Zhang, 2008;

14
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Xiong et al., 2015). However, excess Cu can cover the reaction sites on the surface of ZVI, which
negatively impacts reduction (Jiao et al., 2009; Lai et al., 2014). Therefore, ZVI/Cu molar ratio of

1:1 was selected for subsequent tests.

3.5. The impact of pH on the removal of chlorinated HAcAms by ZV1/Cu

[Figure 2]

Figure 2 shows the effect of solution pH on the dechlorination of TCAcAm by ZVI and Cu at a
molar ratio of 1:1. As shown in Figure 2a, TCAcAm reduction rates (Table SM3) accelerated from
0.02 h'*t0 2.23 h't as pH decreased from 8.0 to 5.0, this result being similar to the previous reports
(Fang et al., 2011; Xia et al., 2014; Zhang et al, 2006; Jovanovic et al, 2005). At a relatively high
pH (e.g., pH = 8.0), a passivation layer (a layer formed by the corrosion products, such as Fe(OH),
Fe(OH)s, FeCOs and so on) can be produced on the surface of ZVI, which can suppress additional
dechlorination reaction of TCACAm (Fang et al., 2011; Xia et al., 2014). However, since neither
DCAcAm (Figure 2b) nor MCAcAm (Figure 2c) was detected, this indicated the reduction of
TCAcAm was attributable to the base-catalyzed hydrolysis of HACAms (Glezer et al., 1999; Chu et
al., 2009a). A previous study reported the hydrolysis rate constant of TCAcAm at pH = 8.0 was
0.015 h! (Chu et al., 2009a), which was slightly lower than the reduction rate constant (0.020 h,
Table SM3) recorded for TCAcAm at pH = 8.0 in the present study. When the reduction rate constant
(0.020 h't) was separated from the hydrolysis rate constant (0.015 h™), the remained reduction rate
constant (0.005 h't) was probably attributed to that a small amount of TCAcAm was probably

dechlorinated by ZVI1/Cu at pH = 8.0, the DCAcAm formed could be hydrolyzed to DCAA (Glezer
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etal., 1999; Chu et al., 2009a; Yu and Reckhow, 2015). To confirm this hypothesis, we analyzed the
concentrations of three HAAs. At pH = 8.0, as shown in Figure 2e, the three HAAs were not detected
during the initial 1 h, whereas TCAA concentrations at 3, 6, 12 and 24 h were 0.35 £0.02, 0.46 +
0.02, 0.54 +£0.03 and 0.77 +£0.04 uM, respectively (Figure 2e). DCAA (0.1440.01 uM) was also
detected at 24 h, which is in agreement with the above-mentioned hypothesis and corresponds with
results from previous studies examining the hydrolysis of haloacetonitriles and HAcAms (Chu et
al., 2009a; Yu and Reckhow, 2015). MCAA was not detected, indicating dechlorination of neither
of TCAcAm nor TCAA was significant under these conditions. This is consistent with a previous
study which also found that ZVI/Cu may effectively remove HAAs in water at pH 7.0, but was
ineffective under alkaline conditions (Chu et al., 2009b).

At lower pH values (e.g., pH = 5.0 and 6.0), all three HAAs were undetected (Figure 2e). This
can be explained by limited hydrolysis of HAcAms to HAAs under acidic conditions (Chu et al.,
2013; Yu and Reckhow, 2015). However, the ZVI corrosion (the reduction of ZVI to Fe?") was
accelerated in a weakly acid environment, which can promote dechlorination of TCAcCAmM by
Equation (2) (Noubactep, 2008; Zhang et al, 2006; Jovanovic et al, 2005). At pH 5.0 and pH 6.0,
the concentrations of DCAcAm initially increased to 1.31 + 0.07 uM and 1.49 + 0.07 uM
respectively at 1h, and then rapidly decreased to below the detection limit at 3 h (Figure 2b). Unlike
DCAcAm, the concentrations of MCAcAm initially increased to 3.57 +0.18 uM and 2.17 £0.11
uM after 3 h at pH 5.0 and pH 6.0, respectively, and then slowly decreased to 2.44 +0.12 uM and
1.14 +£0.06 uM at 24 h, respectively (Figure 2c). Of note, the reduction of MCAcAm at pH 5.0 and
pH 6.0 was less than at pH 7.0, which also resulted in poorer removal for the sum of three HACAmMSs

at pH 5.0 and pH 6.0 than pH 7.0 at 24 h (Figure 2d). As discussed in Section 3.1, limited Fe oxide
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was formed on ZVI at pH 7.0, which potentially adsorbed a fraction of the MCAcAm formed.

As shown in Figure 2f, we also compared the integrated toxic risk values of HACAms at
different pHs (Table SM4). Although TCAcAm and DCAcAm were removed effectively at pH 5.0
and pH 6.0, the integrated toxic risk values (3.79>10° and 2.2610° at 12 h) for the HAcAms were
relatively higher than at pH = 7.0 (1.13x10° at 12 h), due to the poor removal of MCAcAm.
Additionally, integrated toxic risk values for HAcAms at pH = 8.0 (9.7610° at 12 h) were similar
to at pH = 7.0 (1.13x10° at 12 h) before 12 h, mainly because MCAcAm with higher combined
toxicity was not formed from the dechlorination of TCAcAm by ZVI/Cu at pH = 8.0. In general,
the neutral condition was most conducive to the total removal of TCAcAm, DCAcAm and

MCAcAm by ZVI/Cu.

3.6. The impact of temperature on the removal of HAcAms by ZVI/Cu

[Figure 3]

As shown in Figure 3, reduction of TCAcAm increased as the temperature increased from 10 °C to
40 °C. We calculated the activation energies (Ea) for the reaction between ZVI/Cu and TCAcAmM
using the Arrhenius plot (Arrhenius, 1889) and the pseudo first order reaction rate constants at
different temperatures (Figure SM5). The E in the reaction between ZVI/Cu and TCAcAmM is 52.8
kJ/mol. This is lower than that for many common chemical reactions (60~250 kJ/mol) (Laidler,
1993), which indicates the reaction is expected to proceed under ambient conditions. At 40 °C,
TCAcAm was removed completely inside 3 h. DCAcAm and MCAcAmM were both detected at 1 h,

but were also both reduced to below the detection limits inside 3 h (see Figure SM6).. At 10°C, the
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reduction rates of three HAcAms were relatively slower than at 25 °C. The concentrations of
DCAcAm initially increased to 1.44 £0.07 uM at 3 h, and then rapidly decreased to 0.98 +0.05 uM
at 24 h. Further, concentrations of MCAcAm continuously increased over 24 h (from 0.30 £0.02
uM at 3 hto 1.14 +0.06 uM at 24 h). This also resulted in high integrated toxic risk value (1.71>10°)

from the HAcAms at 24 h and 10 °C (Figure SM7 and Table SM5).

3.7. Removal of brominated HAcAms by ZV1/Cu

[Figure 4]

The dehalogenation of BDCAcAmM, DBCAcAmM and TBAcAm by ZVI/Cu was investigated at pH
6.0 +=0.2 to avoid the effect of hydrolysis of HAcAms (Chu et al., 2009a, 2013; Yu and Reckhow,
2015). The removal of three brominated HAcAms by ZVI at pH 6.0 was also investigated, and the
removal and formation trend of HACAms was in agreement with that by ZVI/Cu. However, the
removal efficiency of HACAm by ZVI was significantly inferior to ZVI/Cu (Figure SM8). As shown
in Figure 4a and 4b, DCAcAm and BCAcAm were firstly formed from the debromination of
BDCAcAmM and BDCAcAmMm, respectively. Subsequently, DCAcAmM and BCAcAmM concentrations
was further decreased, and only MCAcAm was recorded from the dechlorination and debromination
of DCAcAm and BCAcAm, respectively. This results directly suggests that bromine was
preferentially removed over chlorine in HACAms by ZVI1/Cu.

Because of this, BDCAcAm, DBCAcAmM and TBAcAm concentrations were all rapidly
reduced to a very low levels (near the detection limit) inside 1 h (Figure 4a, 4b and 4c), and the

removal rates (98.7%, 97.6% and 96.4%) of three brominated HAcAms were all higher than for
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TCAcAmM (84.3%) under the same reaction conditions (Figure SM9). Additionally, as shown in
Figure 4c, only MBAcAm was observed from 3 h to 24 h, and only MCAcAm was left from 3 h to
24 h for BDCAcAm (Figure 4a), DBCAcAm (Figure 4b) and TCAcAm (Figure 4d) at pH 6.0.
Therefore, a plot of the pseudo-first-order reduction rate of MCAcAm (from dehalogenation of
TCAcAm, BDCAcAm and DBCAcAmM) and MBAcAm (from TBAcAm) from 3 h to 24 h is
presented in Figure 4e. The reduction rate for MBACAM (Kobs = 0.079 h't) was comparatively higher
than for MCACAmM (Kops = 0.030, 0.036 and 0.037 ht). These results all indicated that brominated
HAcAms were more easily reduced than chlorinated HAcAms by ZVI/Cu, which is in agreement
with a previous study examining the removal of HAAs by ZV1 (Hozalski et al., 2001). Although the
electronegativity of chloride (3.16) is greater than bromine (2.96), the bond length of the C-Br bond
(194 <102 m) is higher than the C-Cl bond (177 <102 m) (Haynes, 2013; Linus, 1932), which
equates to the former being weaker than the latter (March, 1992).

Figure 4f compares the integrated toxic risk from TCAcAm, BDCAcAm, DBCAcAm, and
TBAcAmM during ZVI/Cu reduction. After 3 h, the integrated toxic risk from reduced solutions of
TCAcAm, BDCAcAm and DBCAcAm all decreased, whereas the integrated toxic risk from
TBAcAm was higher from 3 h (6.58%10") to 24 h (1.23x10"), because only TBAcAm, which has
high combined toxicity (Table SM6), formed MBAcAm during ZVI/Cu dehalogenation reduction
under these conditions. Therefore, reduction of TBAcCAm caused a higher toxicity risk than
reductions of TCAcAm, even though TBAcAmM was more easily dehalogenated than TCAcCAm by

ZV1/Cu dehalogenation.
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4. Conclusions

ZV|1 alone can dechlorinate TCAcAm to sequentially form DCAcAm and MCAcAm. The strong

correlation between the theoretical calculated Fe?* concentrations and the actual detected Fe®*

concentrations release suggests the reduction of TCAcAm is mainly attributable to direct

dechlorination of TCAcAm by ZVI. At increased ZVI doses, the reduction rate of TCACAmM was

accelerated, and the integrated toxic risks caused by total concentrations of TCAcAm, DCAcAmM

and MCAcAmM decreased.

Metallic Cu alone did not affect HAcAm concentrations, but the addition of Cu to ZVI

significantly improved the removal of HAcAms during ZVI dehalogenation. TCACAm and its

reduction products (DCAcAm and MCAcAm) were all decreased to under detection limits at a

ZV1/Cu molar ratio of 1:1 and 24 h.

Dechlorination of TCACAmM by ZVI/Cu increased with the decreasing pH from 8.0 to 5.0. The

slight decrease in TCAcAm concentration at pH = 8.0 was explained by base-catalyzed hydrolysis

of HAcAms, rather than dechlorination of TCAcAmM by ZVI/Cu. Under acidic conditions TCACAmM

dechlorination reaction was promoted, while the integrated toxic risk was minimised at pH 7.0, due

to poor removal of the reduction product MCAcAm at pH = 5.0 and 6.0. Additionally, the reductive

dehalogenation of HAcCAms had a low E, value, and was increased at the temperature increased

from 10 °C to 25 °C to 40 °C. The lower temperature resulted in higher integrated toxic risk value

due to the increased formation of MCAcAm.

Bromine was preferentially removed over chlorine in HAcAms during ZVI1/Cu dehalogenation,

as higher overall removal of brominated HAcCAms than chlorinated HAcAms was recorded.

However, TBAcAm caused higher integrated toxicity risk than TCAcAm, even though TBAcCAmM
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417  was more easily removed than TCAcAm during ZVI/Cu reduction, due to the formation of
418  MBAcAmM during debromination of TBAcAm.

419 In distribution systems, any ZVI present in the passive layer of cast iron pipes will come into
420  contact with treated water. This highlights the potential for the formation of monohaloacetamides
421  (MCAcAmand MBAcAm), with higher toxicity than trihaloacetamides and dihaloacetamides, from
422  ZVI-mediated reactions during drinking water distribution. This study demonstrates that higher
423  ZVI/Cu exposure - 10 g/L ZVI and 11 g/L Cu - effectively reduces the integrated toxicity risks
424 (based on combined cytotoxicity and genotoxicity) at neutral conditions and ambient temperatures.
425  However, investigations at pilot- and/or full-scale are required to fully understand the magnitude of
426  reductive dehalogenation which occurs in real-life distribution systems.
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Figure captions

Figure 1. Influence of ZVI dosage on the removal of HAcAms. (Initial TCAcAm molar
concentration = 5.30 uM [DCAcAm and MCAcAm were not added]; Figure 1a, TCAcAm,; Figure
1b, DCAcAm; Figure 1c, MCAcAm; Figure 1d, total HAcAms [sum of three HAcAm
concentrations]; Figure 1e, comparison of the theoretical calculated Fe?* concentrations and the
actual detected Fe?* concentrations; Figure 1f, integrated toxic risk caused by HAcAms at different
ZV1 dosages. The presented data in the Figure 1a, 1b, and 1c are averages of three observations.
Their relative standard deviations (n = 3) are below 7%.

Figure 2. Influence of pH on the removal of HAcCAms by ZVI/Cu. (Initial TCAcAm molar
concentration = 5.30 uM [DCAcAmM and MCAcAm were not added]. ZVI dosage = 10.0 g/L
[ZV1/Cu molar ratio = 1:1]. The presented data in the Figure 1a, 1b, 1c and 1e are averages of three
observations. Their relative standard deviations (n = 3) are below 10%.

Figure 3. Influence of temperature on the removal of HAcAms by ZVI/Cu. (Initial TCACAmM
molar concentration = 5.30 uM [DCAcAmM and MCAcAm were not added]. ZVI dosage = 10.0 g/L
[ZV1/Cu molar ratio = 1:1]. The presented data in the Figure 1a, 1b and 1c are averages of three
observations. Their relative standard deviations (n = 3) are below 7%.

Figure 4. Removal of brominated HAcAms by ZV1/Cu at pH 6.0. (Initial tri-brominated HACAmM
molar concentration = 5.30 uM [BDCAcAm, DBCAcAmM and TBAcAm were added for Figure 4a,
4b and 4c]; ZVI dosage = 10.0 g/L [ZVI/Cu molar ratio = 1:1]; Figure 4a, BDCAcAm removal,
Figure 4b, DBCAcAm removal; Figure 4c, TBAcAm removal; Figure 4d, removal rate (%) of
four tri-HAcAms at 1 h by ZVI/Cu; Figure 4e, the pseudo-first-order reduction rate of MCACAmM
[Figure 4a and 4b] and MBAcAm [Figure 4c] from 3 h to 24 h; Figure 4f, integrated toxic risk
caused by HAcAms at pH 6.0. The presented data in the Figure 1a, 1b and 1c are averages of three
observations. Their relative standard deviations (n = 3) are below 7%.
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Figure 1. Influence of ZVI dosage on the removal of HAcAms. (Initial TCACAm molar
concentration = 5.30 uM [DCAcAmM and MCAcAm were not added]; Figure 1a, TCAcAm; Figure
1b, DCAcAm; Figure 1c, MCAcAm; Figure 1d, total HAcAms [sum of three HAcAm
concentrations]; Figure 1e, comparison of the theoretical calculated Fe?* concentrations and the
actual detected Fe?* concentrations; Figure 1f, integrated toxic risk caused by HAcCAms at different
ZV| dosages.)
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Figure 4. Removal of brominated HAcAms by ZVI1/Cu at pH 6.0. (Initial tri-brominated HACAm
molar concentration = 5.30 uM [BDCAcAmM, DBCAcAmM and TBAcAm were added for Figure 4a,
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four tri-HAcAms at 1 h by ZVI/Cu; Figure 4e, the pseudo-first-order reduction rate of MCAcAmM
[Figure 4a and 4b] and MBAcAmM [Figure 4c] from 3 h to 24 h; Figure 4f, integrated toxic risk
caused by HAcAms at pH 6.0.)
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