Zurich Open Repository and
Archive

University of Zurich

University Library
Strickhofstrasse 39

CH-8057 Zurich

www.zora.uzh.ch

Year: 2023

Do biotransformation data from laboratory experiments reflect micropollutant
degradation in a large river basin?

Seller, Carolin ; Varga, Laura ; Borgardts, Elizabeth ; Vogler, Bernadette ; Janssen, Elisabeth ; Singer, Heinz ;

Fenner, Kathrin ; Honti, Mark

DOI: https://doi.org/10.1016/j.watres.2023.119908

Posted at the Zurich Open Repository and Archive, University of Zurich
ZORA URL: https://doi.org/10.5167/uzh-256966

Journal Article

Published Version

@080

The following work is licensed under a Creative Commons: Attribution-NonCommercial-NoDerivatives 4.0 In-

ternational (CC BY-NC-ND 4.0) License.

Originally published at:

Seller, Carolin; Varga, Laura; Borgardts, Elizabeth; Vogler, Bernadette; Janssen, Elisabeth; Singer, Heinz; Fenner,
Kathrin; Honti, Mark (2023). Do biotransformation data from laboratory experiments reflect micropollutant

degradation in a large river basin? Water research, 235:119908.
DOI: https://doi.org/10.1016/j.watres.2023.119908



Water Research 235 (2023) 119908

Contents lists available at ScienceDirect

WATER
RESEARCH

Water Research

FI. SEVIER

journal homepage: www.elsevier.com/locate/watres

t.)

Check for

Do biotransformation data from laboratory experiments reflect e
micropollutant degradation in a large river basin?

Carolin Seller »°, Laura Varga ©, Elizabeth Borgardts “, Bernadette Vogler“, Elisabeth Janssen “,
Heinz Singer *, Kathrin Fenner >, Mark Honti %"

& Eawag, Swiss Federal Institute of Aquatic Science and Technology, 8600 Diibendorf, Switzerland

b Department of Chemistry, University of Ziirich, 8057 Ziirich, Switzerland

¢ Department of Sanitary and Environmental Engineering, Budapest University of Technology and Economics, 1111 Budapest, Hungary
d ELKH-BME Water Research Group, 1111 Budapest, Hungary

ARTICLE INFO ABSTRACT

Keywords:
Biotransformation kinetics
Laboratory-field comparison
Micropollutants

Bayesian model frameworks

Identifying a chemical’s potential for biotransformation in the aquatic environment is crucial to predict its fate
and manage its potential hazards. Due to the complexity of natural water bodies, especially river networks,
biotransformation is often studied in laboratory experiments, assuming that study outcomes can be extrapolated
to compound behavior in the field. Here, we investigated to what extent outcomes of laboratory simulation
studies indeed reflect biotransformation kinetics observed in riverine systems. To determine in-field biotrans-
formation, we measured loads of 27 wastewater treatment plant effluent-borne compounds along the Rhine and
its major tributaries during two seasons. Up to 21 compounds were detected at each sampling location. Measured
compound loads were used in an inverse model framework of the Rhine river basin to derive k’pjo field values — a
compound-specific parameter describing the compounds’ average biotransformation potential during the field
studies. To support model calibration, we performed phototransformation and sorption experiments with all the
study compounds, identifying 5 compounds that are susceptible towards direct phototransformation and
determining K, values covering four orders of magnitude. On the laboratory side, we used a similar inverse
model framework to derive k’pjq 1ap Values from water-sediment experiments run according to a modified OECD
308-type protocol. The comparison of k’pig 1ab and k’pio,field Tevealed that their absolute values differed, pointing
towards faster transformation in the Rhine river basin. Yet, we could demonstrate that relative rankings of
biotransformation potential and groups of compounds with low, moderate and high persistence agree reasonably
well between laboratory and field outcomes. Overall, our results provide evidence that laboratory-based
biotransformation studies using the modified OECD 308 protocol and k’pj, values derived thereof bear consid-
erable potential to reflect biotransformation of micropollutants in one of the largest European river basins.

1. Introduction

Wastewater treatment plants (WWTPs) often discharge their efflu-
ents into rivers and streams, resulting in exposure of riverine ecosystems
to chemicals (Hamdhani et al., 2020). Actual exposure levels and the
individual chemical’s potential to cause damage to these ecosystems
depends on their mass load in the WWTP effluents and the extent to
which they can be removed from the aquatic environment via biotic and
abiotic transformation (Berkner and Thierbach 2014; Fenner et al.,
2013; Schwarzenbach et al., 2006). Therefore, a chemical’s persistence,

i.e., recalcitrance towards transformation in aquatic environments, is
considered a key hazard property in chemical regulations worldwide
(Cousins et al., 2019).

Yet, directly quantifying transformation of chemicals in rivers is
challenging for several reasons. First, especially in industrialized and
densely populated regions, distances and hence hydraulic residence
times between WWTPs along rivers are typically short. Unless a com-
pound is transformed at a very high rate and its transformation can
therefore be observed along the short distance between two WWTPs,
new emissions from WWTPs will overlay upstream compound loads and
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mask the transformation signal. Second, chemical concentrations are
modulated by dilution in river networks, which needs to be explicitly
accounted for to quantify compound loads and hence removal. Lastly,
while a chemical’s structure determines to some extent its potential to
be transformed, the actual extent of transformation in a riverine envi-
ronment is additionally influenced by the chemical’s bioavailability, the
environmental conditions such as pH and temperature, and, in the case
of biotransformation, the abundance of enzymes and/or competent
microbial degraders that can transform a given chemical structure. Both,
environmental conditions as well as microbial community composition
and activity, are known to vary spatially and temporally (Chalifour
et al., 2021; Fenner et al., 2013; Gao et al., 2019; Helbling et al., 2012;
Winter et al., 2007). Indeed, previous field studies showed large vari-
abilities in compound attenuation from different sections of various
European rivers, rendering it almost impossible to derive conclusive
evidence regarding a chemical’s environmental persistence from the
observation of riverine concentrations alone (Jaeger et al., 2019; Li
et al., 2016).

For all of these reasons, persistence of chemicals is most often studied
in laboratory experiments under controlled conditions. Since aerobic
biotransformation is considered the dominant removal pathway for
most commonly detected chemical pollutants, it is common practice to
use laboratory biotransformation studies following internationally
accepted OECD guidelines to assess aquatic persistence. This practice is
based on the assumption that laboratory observations are representative
of compound behavior in the field. Yet, the robustness of this assumption
has barely been addressed in previous research (Adriaanse et al., 1997;
Montforts 2006). In fact, the few attempts to relate outcomes of, e.g.,
OECD 308 water-sediment studies to compound behavior in riverine
environments remained inconclusive (Honti et al., 2018a; Radke and
Maier 2014b; Southwell et al., 2020).

Recently, Shrestha et al. (2016, 2021) introduced, broadly tested,
and characterized a novel laboratory system in which a thin predomi-
nantly aerobic sediment layer is covered by an aerated water column
favoring aerobic biotransformation as dominant compound removal
pathway (referred to as modified OECD 308-type study in Seller et al.
(2021)). It has been argued that such a laboratory system may be well
suited to elucidate a chemical’s potential for biotransformation in
riverine environments, i.e., in fully mixed water bodies with the first few
centimeters of sediment being aerobic (Seller et al., 2021) — however,
this hypothesis has not yet been tested and warrants further exploration.
Therefore, the primary aim of this study was to investigate to what
extent outcomes of modified OECD 308-type studies can be compared to
biotransformation kinetics of chemicals observed in riverine systems
across a large number of relevant aquatic pollutants.

To fulfill this aim, a sound basis for comparison of laboratory and
field biotransformation had to be sought. Transformation half-lives
(DTsp), while being essential pieces of information in a regulatory
context, typically lump together transformation and phase transfer
processes, particularly in water-sediment systems, and are system-
specific in many aspects (i.e., dependent on, e.g., water-sediment ra-
tios, suspended solids concentration, or sediment total organic carbon
(TOQ)), making them unfit for comparison of biotransformation be-
tween laboratory test systems and river environments (Honti et al.,
2016). To eliminate some of the most influential system-specific dif-
ferences affecting aquatic biotransformation, Honti et al. (2016, 2018a)
introduced k’p;o, @ biomass-corrected second-order rate constant. k’p;o is
estimated from measured chemical concentration patterns and infor-
mation on the physicochemical properties of, and biomass in, the
studied system through inverse modeling. It hinges on the assumption
that total biomass — or, in case such information is missing, TOC - can
serve as proxies for the abundance of degrading enzymes and/or
competent microbial degraders. Since k', is also corrected for differ-
ences in the chemical’s bioavailability in water-sediment systems
exhibiting different sediment-to-water ratios, it should, in principle,
allow comparing a chemical’s biotransformation potential across
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laboratory and field systems. Yet, previous attempts to derive k’p;, from
field observations in the Rhine river catchment were subject to large
uncertainties mostly due to a substantial lack of accurately known
compound emissions into the Rhine but also due to a lack of precise
knowledge on other relevant fate properties that are required for the
inverse estimation of k’;,. Those include the compounds’ susceptibility
towards abiotic transformation (i.e., hydrolysis and photo-
transformation) and their organic carbon-water partition coefficient
(Koc) influencing the compounds’ (estimated) bioavailability (Honti
et al., 2018a). Therefore, in order to apply the k’pi,-concept for
comparing chemicals’ biotransformation kinetics between laboratory
studies and riverine environments, a secondary aim of this work was to
improve the estimation of k’pj, from monitored river concentration in
the catchment of the river Rhine, one of the largest and most important
catchments of Europe.

To this end, we (i) conducted sorption and phototransformation
laboratory experiments to provide sufficiently accurate data describing
the compounds’ abiotic fate properties, (ii) determined weekly com-
pound loads in the main channel of the Rhine and its major tributaries in
Switzerland, Germany, and the Netherlands during catchment-wide
field campaigns in spring and summer 2017, and (iii) estimated com-
pound emission into the Rhine based on an effluent monitoring-based
approach presented by Varga et al. (2023). Finally, we inferred k’pio
values from the Rhine field study (k’pio field) and from modified OECD
308-type studies (k’pio1ap) using inverse model frameworks and sys-
tematically compared model outcomes to evaluate to what extent
biotransformation data from laboratory experiments reflect micro-
pollutant degradation in a large river basin.

2. Materials and methods
2.1. Test compounds

Based on the compound selection of Seller et al. (2021), k’pio,lab
values describing biotransformation in modified OECD 308-type studies
were derived for 42 compounds, including 23 pharmaceuticals, 15
pesticides, 3 artificial sweeteners, and 1 industrial chemical. k’pio field
values describing biotransformation in the Rhine river catchment were
inferred for a subset of 27 compounds that were expected to be released
into the aquatic environment via WWTP effluents, i.e., pharmaceuticals,
artificial sweeteners, and industrial chemicals (here referred to as “field
compounds™). It has to be noted that the here employed analytical
methods did not allow to differentiate between 4- and 5-methylbenzo-
triazole and, therefore, compound loads measured in the Rhine river
catchment are most likely a combination of both (Ruff et al., 2015). A list
of all compounds, including name abbreviations, is provided in
Table SI1.

2.2. Experimental and field data of test compounds

2.2.1. Compound loads in the Rhine catchment

To determine the field compounds’ abundance and transformation
behavior within the Rhine river catchment, this study benefited from the
activities of the International Commission for the Protection of the Rhine
(IKSR) in the frame of the sampling campaign “Sondermessprogramm
Chemie” (SMPC) (IKSR 2019). During the SMPC, four water parcels
were tracked along the Rhine during each season of 2017. The water
parcels were sampled by means of weekly composite samples at eleven
locations within the main channel of the Rhine and at six locations along
its major tributaries close to their confluence points with the Rhine
(Table SI2 and Fig. SI1). We received samples from two of the four SMPC
campaigns, i.e., from the P1 campaign with samples taken between
March 19th — April 6th, 2017, and from the P3 campaign with samples
taken between July 10th-27th, 2017. We measured concentrations of
field compounds using an Agilent 6495C Triple Quad Mass Spectrometer
coupled to an Agilent HPLC 1290 (binary pump) system (SI1.3).
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Compound loads were calculated by multiplying the concentrations
measured in the IKSR samples with the discharge measured at each
sampling time and location (Table SI10 - Table SI13).

2.2.2. Data from biotransformation simulation studies

Data provided by Seller et al. (2021) describe compound behavior in
modified OECD 308-type studies, i.e., in systems in which a sediment
layer was covered by an aerated water column to a sediment-water ratio
of 1:10 (v/v) (further information provided in SI1.4). Inocula for
modified OECD 308-type studies were sampled from two locations, i.e.,
a WWTP effluent-impacted river and a pristine pond. We used com-
pound concentrations measured during >54 days of biotransformation
experiments in both sediment and water phase to derive k’yio 1ap Values
as described in 2.3.2.

2.3. Biotransformation kinetics modelling frameworks

2.3.1. Determination of k’pi field values

To derive k’pio field Values, we used the catchment-scale water quality
model of Honti et al. (2018a) and extended the model framework with
abiotic hydrolysis and direct phototransformation as potential removal
pathways for dissolved parent compounds (please note that we experi-
mentally studied our field compounds’ susceptibility towards indirect
phototransformation and, based on the results, decided to neglect in-
direct phototransformation as a potential compound removal pathway
for the selected field compounds from the Rhine river catchment, see
3.1.1). The most important underlying assumptions of the Rhine
catchment model are (i) that only dissolved compound mass fractions
are available for abiotic and biotic transformation following a first-order
decay and (ii) that converting k’pio field into compound-specific degra-
dation rate constants requires considering degrader biomass. Total
organic carbon (TOC) estimates were used as a proxy for degrader
biomass as previous studies were able to link organic carbon content of
river bed sediments to microbial activity (Fischer et al., 2002). The
Rhine catchment model is based on individual river reaches described by
the Catchment Characterization Model Europe (CCM2) (De Jager and
Vogt, 2007). In each reach, partitioning and transformation at equilib-
rium are described as functions of the physical properties of the reach
and the sorption/ transformation properties of the field compounds. A
compound’s behavior in the entire catchment of the river Rhine was
then simulated by connecting the >18.000 stream reaches following the
topology of the stream network. In each reach, the output compound
flux was calculated as:

Fout = Fin exp( -0 Tw kw) (1)

where Fij, and Foy [kg d 1] are the incoming and outflowing fluxes of the
parent compound for a single reach, respectively, and 1, [d] is the
compounds’ mean water residence time in a reach. ky [d1] is the
compound’s transformation rate constant in water, considering rate
constants describing abiotic hydrolysis (kpydro,rs) and photo-
transformation (k’photo,1s), together with biotransformation (k’pio,field)
in the total system (TS) (SI1.7). & [-] is a modification factor derived
from the physical properties of the respective reach and the sorption
behavior of the compound:
_—

§=14 €= 2

= *
where Ko [L kg1 is the organic carbon-water partitioning coefficient,
foc,sed [-] the organic carbon content of the sediment (i.e., assumed to be
1%) Honti et al., 2018a), SSC [kg m~3] the suspended sediment con-
centration, z, and z,, [m] are the depth of the active sediment layer and
the water column, respectively, and S [kg m~2] is the settled sediment
stock in the active layer. Further details on the derivation of model Eqs.
(1) and ((2) are provided by Honti et al. (2018a) and are summarized in

Water Research 235 (2023) 119908

SI1.7. The new model components, i.e., knydro,rs and kphoto,s, Were
derived as:

Knyaro.1s = Knyaro (fagow (1= Ps) +fags Ps) 3)
. Zw
Koo 5 = oo Fuanexp (= ks ) )

where knydro,Ts [d™1] is the total system hydrolysis rate, knydro [d17is
the hydrolysis rate of the dissolved fraction, faqw = 1/(1+Kq SSC) and
fagqs = 1/(14S Kq4/z,) are the dissolved fractions in the river’s water
column and pore water of the sediment, ps= S/(zw/Kq + SSC zy + S) is
the fraction of the compound being in the sediment. kphoto [d~1] is the
phototransformation rate constant of the dissolved fraction at the water
surface (i.e., at the top 1 cm), kexe= (0.22+0.000011 SSC) [m™!] is the
estimated diffuse light attenuation coefficient in water (Batuik et al.,
2000; Brown 1984; Hass and Davisson 1977; Kromkamp and Peene
2005).

The mean physical properties for each reach in the Rhine river
catchment were estimated based on drainage area and channel slope
provided by the CCM2 Database. Mean SSCs were derived from esti-
mated channel geometry, flow velocity, and sediment grain size distri-
bution. In reality, SSC is governed by discharge, season, the state of the
upstream catchment, and the stage of flood pulses, which together make
it highly dynamic. Here, we had to neglect those variabilities as we had
no information to model dynamic SSC in the entire stream network.

The model was fitted to field compound loads measured along the
Rhine during the two SMPC campaigns P1 and P3, resulting in k’pio field,
p1 and K’pio field,p3 Values, respectively. Model calibration took place in a
Bayesian framework. Parameter priors for calibration of K, and trans-
formation rate constants were set to capture experimentally determined
values as described thereinafter (see 2.4). Parameter posteriors were
sampled by Markov Chain Monte Carlo (MCMC) sampling based on the
classical Metropolis algorithm, two parallel chains were launched with
4000 steps each, out of which the first 3000 served for burn-in.

2.3.2. Determination of k’pio,1ap Values

We adapted the model framework of Honti and Fenner (2015) to
describe transformation and sorption processes in modified OECD
308-type studies, i.e., a two-compartment system (Seller et al., 2021).
We defined the settled sediment layer including pore water as the first
compartment, and the supernatant water column, which we assumed to
not contain any suspended sediment, as the second compartment. Test
compounds were assumed to be either in dissolved phase in the water
compartment (i.e., neglecting association with dissolved organic car-
bon), or in sorbed or dissolved state in the sediment compartment. The
model is structurally compatible with the Rhine catchment model as we
apply the same underlying assumptions, i.e., that only dissolved com-
pound mass fractions are available for abiotic and biotic transformation
following a first-order decay and that ko 1ab requires normalization to
degrader biomass. In line with procedures to derive k’piq field values, we
use TOC measured in the sediment and water compartment of the
experimental vessels as a proxy for degrader biomass. However, as the
k’pio-concept thrives from an accurate description of degrader biomass,
we furthermore explored the possibility to use bacterial cell densities
measured during modified OECD 308-type studies (Seller et al., 2021) as
proxy for degrader biomass to derive a second set of k’pig 1ap Values.
Generally, we assume that the fraction of active degraders relative to
total bacterial biomass is the same in both laboratory inocula. Dispersion
and diffusion processes connecting sediment and water compartments
were described following Fick’s law. Sorption equilibrium in the sedi-
ment was assumed to be reached instantaneously and the sediment
compartment itself was treated as a fully mixed reactor, i.e., trans-
formation processes were assumed to take place synchronously and at
the same rate throughout the entire shallow sediment layer. Following
those model assumptions, compound dissipation over time from the
water and sediment compartment, respectively, can be described as:
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AP Py Pused
= _(khydm + k piotab DBW) P, — D, %“711“(1 ®)
dt 3
P, Py sed
dPsad ! 1 ZT:L — Zsed
- *(khydm + k biojab DB.xed) m Py, + D, j/
(6)

with Py, and Pgq [ng L7!] as parent compound concentration in the
water and sediment compartment, respectively, and Py, seq [ng L1 as
parent compound concentration in pore water. The dissolved fraction of
parent compound in the sediment compartment is calculated consid-
ering the compounds’ K, values [L kg '], the sediment’s organic carbon
fraction (focsed), sediment bulk density (pp) [kg L’l], and sediment
porosity (©). Rate constants knydro [d~'] and k’bio,lab [L (g OC d) 1 or
[mL (10° cells d)~'] describe abiotic and biotic transformation,
respectively. DBy, and DBgeq were proxys for degrader biomass in water
and sediment, respectively, i.e., TOC content [g OC L] or bacterial cell
densities [10° cells mL '], respectively. Parameters z,, and zgq [cm]
describe the height of the water and sediment compartment, respec-
tively. Dy [em? d™1] is a diffusion/dispersion coefficient. Contrary to the
Rhine catchment model, phototransformation was neglected as poten-
tial compound removal pathway, as modified OECD 308-type studies
were conducted in the dark.

The model was fitted to concentration-time series obtained from
modified OECD 308-type systems with river and pond inocula (Seller
et al.,, 2021). We used a Bayesian parameter estimation framework to
calibrate the model for individual river and pond studies separately (i.e.,
deriving k’pio,lab,r and k’bio,lab,p, respectively), and jointly across both
studies (i.e., deriving k’biolab,joint)- The joint fit was performed to verify
whether the model can fit experimental data from two biotransforma-
tion simulation studies with one set of substance-specific parameters, i.
€., k’bio,lab,joint> Khydro, and Koc. Parameter priors for calibration were set
to capture experimentally determined values as described thereinafter
(see 2.4). Posterior parameter distributions were sampled by MCMC
sampling with 25’000 iterations from which the first 10’000 were
dedicated to burn-in.

2.4. Prior parameter estimates for model calibration

Using Bayesian inference for model calibration allows to incorporate
prior knowledge on parameter distributions into the calibration process.
To calibrate the k’pj,-model frameworks, several parameters used to
describe transformation kinetics of compounds in modified OECD 308-
type studies (i.e., Egs. (5) and (6)) or in the Rhine river catchment (i.
e.,, Eq. (1)) are assumed to be compound-specific and, hence, less
dependent on the system considered. Besides k’y;,, those compound-
specific parameters are Knydro, Kphoto and Koc (see 2.4.1 and 2.4.2 for
derivation of kphoto and Ko prior distributions, respectively). Another set
of prior estimates describe parameters specific to the considered system,
e.g., SSC, TOC, or sediment porosity (Honti et al., 2018b). To estimate
compound emission into the Rhine, we used quarterly compound con-
sumption data available for Switzerland and Germany and a dimen-
sionless “escape factor” (kesc) describing the proportion of marketed
compound reaching the Rhine stream network (Table SI7) (Varga et al.,
2023). A compilation of all prior estimates is provided in SI2.

2.4.1. Phototransformation experiments and prior estimation of kphoto
Calibration of the Rhine catchment model requires a prior estimate
for kphoto- Therefore, we conducted phototransformation experiments
with the goal to semi-quantitatively assess whether direct or indirect
phototransformation may be relevant pathways for removal of selected
field compounds from the Rhine river catchment. Phototransformation
kinetics were determined (i) in buffered nanopure water (5 mM phos-
phate buffer, pH= 8), (ii) in buffered nanopure water amended with
pony lake fulvic acid (PLFA) to a dissolved organic carbon (DOC)
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concentration of 10 mg L™ to assess the field compounds’ potential for
indirect phototransformation at elevated DOC loads, and (iii) in river
and pond water previously used for modified OECD 308-type studies
sterilized by filtration through glass fiber filters with a pore size of 0.2
pm (i.e., DOC concentrations of 2.2 and 1.2 mg L™}, respectively). Field
compounds were spiked into different test waters in mixture to indi-
vidual concentrations of 1 ug L1, 40 uM furfuryl alcohol (FFA) were
added to determine the concentration of the reactive oxygen species 0.
To monitor light flux during the experiments, a para-nitroanisole/ pyr-
idine (PNA/Pyr) actinometer was used with initial PNA and Pyr con-
centrations of 10 pM and 0.5 mM, respectively (Laszakovits et al., 2017).
Phototransformation experiments were carried out in quartz tubes (25
mL, inner diameter 1.5 cm), which were positioned in a water bath
(25 °C) at an 30° angle 40 cm below the light source of a solar simulator
(Heraeus model Suntest CPS+) equipped with a xenon arc lamp. Sub-
samples of 500 uL were taken from each quartz tube before irradiation,
and at five time points within 4 h of experiment. Subsamples were
spiked with a mixture of internal standards (ISTDs) to a concentration of
500 ng L~! prior to analysis. Dark control samples were used to account
for hydrolysis or other non-photochemical losses of the test compounds.
Dark controls were kept in 2 mL amber glass vials covered with
aluminum foil, and were immersed in the water bath shielded from the
light source to be otherwise exposed to the same experimental condi-
tions as the irradiated samples.

During our phototransformation experiments, the light emitted by
the solar simulator was approximately half of the strength of peak
summer sunlight in central Europe (i.e., Ziirich, Switzerland, 408 m
above sea level). Further, the solar simulator suitably mimicked the
spectral output of natural sunlight as indicated by the good overlap of
the irradiance spectra of the solar simulator and natural sunlight spectra
from Europe (Fig. SI3).

To derive prior estimates for kppoto in the Rhine river catchment, we
followed methods outlined in Tixier et al. (2003). Briefly, we used the
GCSOLAR software to calculate a pseudo-first-order rate constant based
on diclofenac’s absorbance spectrum (Figure SI4) and its quantum yield
previously determined by Davis et al. (2017) (i.e., 0.071). We calculated
diclofenac’s kphoto during spring and summer in the top first centimetre
of a water body at conditions in Mainz, Germany (i.e., roughly the center
of the Rhine river basin, latitude= 49.99 N, elevation= 89 m above sea
level). For other compounds showing susceptibility towards photo-
transformation, we then multiplied the prior phototransformation rate
constant for diclofenac with a factor describing the respective com-
pound’s rate constant relative to diclofenac’s rate constant measured in
our direct phototransformation experiments. Further details are pro-
vided in SI1.5.

2.4.2. Sorption experiments and prior estimation of Ko,

To gather consistently derived experimental K,. values for the
selected field compounds, we carried out a series of sorption experi-
ments following the experimental procedures described by Davis and
Janssen (2020) (further details in SI1.6). To that end, sorption experi-
ments were carried out with both sediments used in modified OECD
308-type studies by Seller et al. (2021) and one standardized soil (i.e.,
LUFA 2.1), such that experiments captured sorption under two different
pH conditions and with two different sediment TOC contents
(Table SI4). Sorption experiments were carried out in two stages; first,
we determined the time needed to reach sorption equilibrium, and
second, we derived sorption isotherms for five concentration levels
spanning two orders of magnitude of initial aqueous concentrations (i.e.,
0.3 to 30 pg L™1). According to outcomes of the first stage of sorption
experiments, an equilibration time of 16 h was used to ensure steady
conditions in all experimental vessels during the second stage of sorption
experiments. Sorption isotherms were derived using a linear and a
Freundlich model. However, data suggested that linear sorption iso-
therms were suitable to describe sorption behavior of most compounds.
Therefore, we calculated K, values based on Ky values measured in each
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of the sediments/ soil (OECD, 2000).

To derive K, prior distributions to describe sorption behavior of our
compounds in the laboratory and in the field, experimentally deter-
mined K, values were averaged across the three sediments/ soil. In case
of pesticides, which were only studied in the laboratory, prior estimates
for K, values were based on data provided by the Pesticides Properties
Database (PPDB) of the University of Hertfordshire. Prior distributions
for K, were assumed to be lognormal due to the rather high variability
of experimentally determined K, values and the fact that only positive
values are meaningful for this quantity. Mean and standard deviation of
the K, priors’ lognormal distributions were derived from our own
experimental K, values as described in SI1.6.

3. Results and discussion
3.1. Phototransformation and sorption experiments

3.1.1. Phototransformation kinetics and derivation of kpnoto priors

Phototransformation experiments were run to identify compounds
that might potentially undergo phototransformation reactions in the
field, given an average hydraulic residence time in the Rhine river
catchment of roughly 7 days (Honti et al., 2018a). We found that direct
phototransformation could be a relevant removal pathway for five field
compounds, i.e., diclofenac, hydrochlorothiazide, aliskiren, atazanavir,
and sulfamethoxazole, with the first two compounds showing the most
rapid transformation (Fig. 1). Those results are in line with previous
studies showing the susceptibility of aliskiren, diclofenac, hydrochlo-
rothiazide, and sulfamethoxazole towards direct phototransformation;
especially the phototransformation behavior of diclofenac has been
studied widely (Avetta et al., 2016; Davis et al., 2017; Goncalves et al.,
2021; Peuravuori 2012). To our knowledge, no previous studies exam-
ined phototransformation behavior of atazanavir. Our results indicate
that this compound can indeed undergo direct phototransformation at
conditions relevant for rivers and lakes, as it absorbs light within the
solar spectrum (Figure SI4). Therefore, we considered photo-
transformation as additional dissipation process for those five com-
pounds in the Rhine catchment model (see 3.3). Prior distributions of
kphoto for model calibration were derived as described in 2.4.1 and are
provided in Table SI6.

Indirect phototransformation appeared to be a less significant
removal pathway for the selected field compounds. Compound

0
-1
% i
-2
- A
Q .3 .
<) ¥ A
£
-4 ® AL|
= ATA ;
5| ¢oIC ©
A HYD F
suL _
61 o Dark ¢
0 30 60 90 120 150 180 210 240

Time (minutes)

Fig. 1. Transformation kinetics of field compounds showing significant sus-
ceptibility towards direct phototransformation, i.e., aliskiren (ALI), atazanavir
(ATA), diclofenac (DIC), hydrochlorothiazide (HYD), and sulfamethoxazole
(SUL), in nanopure water buffered at pH= 8 under the solar simulator condi-
tions. The plotted dark control represents the average concentration of the five
compounds shown after 0 and 4 h of experiment.
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dissipation during experiments targeting indirect phototransformation
was statistically significant only for the four compounds carbamazepine,
clopidogrel carboxylic acid, lidocaine, and mefenamic acid, with the
latter showing the greatest susceptibility towards indirect photo-
transformation, which is in line with studies reported in the literature
(Davis et al., 2017). However, it has to be noted that we did not detect
removal via indirect phototransformation from the two natural waters
tested, i.e., from the river and pond samples, but only from the test water
amended with PLFA to a high DOC concentration of 10 mg L™!. Even at
this elevated DOC concentration, the maximum observed rate for indi-
rect phototransformation was in all cases <0.067 d~!. Based on the fact
that DOC concentrations in the river Rhine are commonly 3-9 fold lower
(Abril et al., 2002; Rodriguez-Murillo et al., 2015), and considering the
compound’s average hydraulic residence time within the Rhine river
catchment (i.e., 7 days), we assume that indirect phototransformation is
not a relevant dissipation process for the selected field compounds in
this catchment and therefore neglect this transformation pathway in the
Rhine catchment model.

3.1.2. Sorption behavior and derivation of K, priors

A compilation of measured Kq and K, values for selected field
compounds is provided in Table 1. Field compounds covered a broad
range of different sorption behavior with calculated K4 values ranging
from <0.17 to 286 L kg~ ! resulting in K, values ranging from 15 to
28'550 L kg~!. Highest affinity for sorption to solids with K. values
>1000 L kg™! in at least one of the tested sediments/ soil were calcu-
lated for aliskiren, citalopram, fexofenadine, sitagliptin, trimethoprim,
and venlafaxine, which is in line with previously reported experimen-
tally determined K, values (Table 1 and Table SI19) (Barron et al.,
2009; Klement et al., 2018; Le Guet et al. 2018; Li and Zhang 2017). Ky
values consistently <100 Lkg~! were determined for nine compounds, i.
e., acesulfame, bezafibrate, cyclamate, irbesartan, levetiracetam, lido-
caine, saccharin, sulfamethoxazole, and valsartan. Accordingly, previ-
ous studies on acesulfame and sulfamethoxazole report little sorption to
soil, sludge, or sediment (Barron et al., 2009; Carballa et al., 2008; Le
Guet et al. 2018; Storck et al., 2016). In case of bezafibrate, K,. values
reported in the literature are mostly higher than here determined Ko
values. However, those previous sorption studies were performed in soil
with partially lower pH (i.e., pH= 3.5-6.4, Table SI18) than the here
employed sediments/ soil (i.e., pH= 5-7.5) (Barron et al., 2009; Revitt
et al., 2015). Due to the low pKa of bezafibrate (i.e., pKa= 3.83), the
compound can be assumed to have been present in its deprotonated,
anionic form in our own sorption experiments, while the lower pH in
previous soil studies may have resulted in presence of more neutral
species leading to increased sorption. For compounds exhibiting mod-
erate sorption behavior, i.e., 5-methylbenzotriazole, atenolol, carba-
mazepine, diclofenac, lamotrigine, mefenamic acid, and metoprolol, our
experimentally determined K, values mostly fall within the range pre-
viously reported in literature (Table 1). Based on our literature search
(Table SI19), which we do not claim to be fully comprehensive, we
concluded that experimentally derived K,. values have not been re-
ported previously for 13 of our test compounds (Table 1), highlighting
the importance of performing our own sorption studies prior to esti-
mating k’pjo.

Prior distributions for K,. values used for calibration of the k',
model frameworks to determine k’pjo,field and k’pio 1ab (see 3.3 and 3.4)
were derived as described in 2.4.2 and are listed in Table SI6. In this
context, we acknowledge that the assumption behind using K, values to
describe a compound’s sorption behavior, i.e., that compounds pre-
dominantly sorb to organic carbon, is not necessarily correct for small
polar or charged compounds, which might also sorb to minerals.
Because more detailed studies on sorption mechanisms of our many field
compounds were out of scope, we attempted to account for those vari-
abilities in sorption behavior by defining prior distributions of K, based
on average values derived from three sediments/soils differing in TOC,
grain size distribution, and pH. In doing so, we try to describe a
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Table 1

Experimentally determined K4 and K, values. R? indicates the goodness of the
fit of the linear model to the experimental data, n.d. indicates that K4 and K,
could not be determined due to bad fit of the linear model (i.e., R? <0.7), n.s.
indicates that calculated K4 and K, values were negative as a result of very
little/ no sorption. Based on our literature search, the column “Literature K
values” lists lowest and highest experimentally determined K, vales in sludge,
soil, or sediment reported in the literature. Further details on literature K,
values and references to the here provided values are given in Table SI19.

Compound Sediment/ Kq [kg Ko [kg R? Literature K, [kg
Soil LY LY LY
5MB LUFA 2.1 n.d. n.d. n.d. 39-110
Pond 16.9 + 169+4 0.99
River 0.4 113 0.99
0.9+ 0.1 +12.5
ACE LUFA 2.1 n.s. n.s. n.s. 1.1-11.2
Pond 23+ 23+0.6 0.99
River 0.06 21+7 0.85
0.17
+0.06
ALI LUFA 2.1 29.6 + 4169 0.99 Not available
Pond 2.1 +295 0.95
River 3542 350420 0.97
32+2.5 4000
+312
ATA LUFA 2.1 33+2 465 0.94  Not available
Pond 24+2 +281 0.89
River <0.17 240+20 0.73
<21
ATE LUFA 2.1 n.d. n.d. n.d. 63-5000
Pond 7.8+ 0.2 78+2 0.99
River 1.1 £0.2 140+20 0.93
BEZ LUFA 2.1 n.d. n.d. n.d. 54-568
Pond 3.9+0.2 39+2 0.97
River n.s. n.s. n.s.
BIC LUFA 2.1 4+1.7 563 0.71 Not available
Pond 26+2 +239 0.87
River n.s. 260420 n.s.
n.s.
CAR LUFA 2.1 n.d. n.d. n.d. 8-2650
Pond 6.36+1.7 64+17 0.81
River 3.31 473+56 0.97
+0.39
CIT LUFA 2.1 163+11 22957 0.85  6918-665,000
Pond 286+10 +1549 0.97
River 23060 2860 0.97
+100
28750
+7500
CLO LUFA 2.1 n.d. n.d. n.d. Not available
Pond 5.6 + 0.2 56+2 0.97
River 0.8 +0.2 100+25 0.98
CYC LUFA 2.1 n.d. n.d. n.d. Not available
Pond <0.62 <6.2 0.82
River n.d. n.d. n.d.
DIC LUFA 2.1 n.d. n.d. n.d. 72 - 2630
Pond 10.5 + 105+3 0.99
River 0.3 187+18 0.99
1.5+
0.15
FEX LUFA 2.1 26+1 3661 0.96 1130-11,512
Pond 37.8 + +140 0.99
River 0.7 378+7 0.98
14+1 1750
+125
GAB LUFA 2.1 1.5+0.2 211+28 0.95  Not available
Pond 6.8 + 0.2 68+2 0.99
River 1+0.1 125 0.92
+12.5
HYD LUFA 2.1 0.7 £0.1 99+14 0.86  Not available
Pond 9.1+0.2 91+2 0.99
River 0.7 £ 0.1 88+12.5 0.97
IRB LUFA 2.1 n.d. n.d. n.d. 74 - 2298
Pond 6.5+ 0.3 65+3 0.96
River n.s. n.s. n.s.
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Table 1 (continued)

Compound Sediment/ Kq [kg Koc [kg R? Literature Ko [kg
Soil L™ L L™
LAM LUFA 2.1 2.8 +0.4 394456 0.76 93 -703
Pond 22.4 + 22415 0.99
River 0.5 213+19 0.99
1.7 +
0.15
LEV LUFA 2.1 0.42 59+8.4 0.92  Not available
Pond +0.06 41+13 0.86
River 41+1.3 55+8.7 0.95
0.44
+0.07
LID LUFA 2.1 0.55+0.1 77+14 0.88 51 - 80
Pond 7.9 +1.1 79+11 0.97
River 0.53 66+10 0.89
+0.08
MEF LUFA 2.1 25+6 3521 0.99 52-27,000
Pond 38+1.6 +845 0.96
River 2+1 380+16 0.97
250
+140
MET LUFA 2.1 0.6 + 0.1 90+20 0.79  58-3157
Pond 12.6 + 114+2 0.99
River 0.2 250 0.97
2+0.1 +12.5
SAC LUFA 2.1 n.s. n.s. n.s. Not available
Pond n.d. n.d. n.d.
River n.s. n.s. n.s.
SIT LUFA 2.1 56+1.9 7887 0.98  Not available
Pond 59+2 +267 0.97
River 20+1.7 59020 0.98
2500
+212
SUL LUFA 2.1 n.d. n.d. n.d. 11 - 3802
Pond 1.7 £ 0.1 17+1 0.98
River n.d. n.d. n.d.
TRI LUFA 2.1 10.6 + 1493 0.97 264 - 4533
Pond 4.4 +619 0.97
River 97+4 970+40 n.d.
n.d. n.d.
VAL LUFA 2.1 n.d. n.d. n.d. Not available
Pond 4.4+0.1 44+1 0.99
River n.d. n.d. n.d.
VEN LUFA 2.1 37.7+1 5309 0.97  Not available
Pond 29+1 +140 0.97
River 25+2 290+10 0.94
3125
+250

reasonable range of sorption behavior a compound might exhibit when
exposed to different environmental conditions and sediments along the
Rhine river catchment.

3.2. Compound concentrations and loads in the Rhine river basin

All of our 27 field compounds were detected in water samples from
the SMPC sampling locations during both campaigns P1 and P3, with 21
and 17 compounds detected at each sampling location at concentrations
above their limits of quantification (LOQs, Table SI10-Table SI13) dur-
ing P1 and P3, respectively, indicating continuous use and emissions in
significant amounts of those compounds. Measured compound concen-
trations are given in Tables SI10-SI13. Depending on compound and
sampling location, concentrations ranged from <1 ng L™! to >5 ug L™}
during P1 and from <1 ng L™! to >2.5 pg L™! during P3, which is
comparable to the concentration range previously measured for various
pharmaceuticals or artificial sweeteners in water samples from the river
Rhine (Ruff et al., 2015). Generally, highest compound concentrations
were measured in samples taken from two of the Rhine’s tributaries, i.e.,
Schwarzbach and Emscher, which enter the main channel of the Rhine at
475 and 798 Rhine km, respectively. At all sampling locations,
4/5-methylbenzotriazole and acesulfame, together with gabapentin
during P1 and cyclamate during P3, were measured at highest
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concentrations (Fig. 2).

The weekly loads of compounds along the Rhine and its tributaries
were calculated separately for the P1 and P3 campaigns by multiplying
corresponding discharge and concentration measurements at each
location (discharge measurements in Table SI10-Table SI13). Generally,
compound loads gradually increased along the Rhine during both sam-
pling campaigns (Fig. 2) as the Rhine receives input from tributaries and
WWTPs distributed all along the river. The cumulative weekly loads of
our field compounds passing the last monitoring station before the Rhine
estuary (i.e., Lobith at 865 Rhine km) were 2.5 and 1.6 tons during P1
and P3, respectively (Fig. 2). Quarterly consumption of the majority of
the field compounds in Germany and Switzerland can be assumed to
have been similar during the P1 and P3 campaign (Table SI8), hence the
reduced cumulative compound loads in P3 point towards increased
compound transformation during summer months. While compound
removal in WWTPs can potentially undergo seasonal changes (Di Mar-
cantonio et al. 2020; Fernandez et al., 2014; Kahl et al., 2018; Varga
et al. (2023) did not find a statistically significant seasonal dependency
of the field compounds’ emission into the Rhine based on WWTP
effluent monitoring data, except for three compounds (ACE, CYC, and
GAB). Hence, we assume that at least part of the almost 40% decrease in
cumulative compound load along the Rhine during P3 resulted from
more rapid transformation within the riverine environment. Such an
increase in compound removal from the aquatic environment during
summer can, amongst others, result from increased biotransformation
due to higher microbial biomass and/ or activity at elevated water
temperatures (Table SI16), greater abundance of phototrophic degrader
bacteria, as well as from increased removal of photo-reactive com-
pounds at higher light intensities and longer light exposure times.

3.3. Biotransformation in the Rhine river basin - calculation of k’pio,field
values

We calculated k’pio field Values to describe the compounds’ biotrans-
formation potential in the Rhine catchment. Compound loads measured
along the Rhine and its tributaries, as well as laboratory-derived sorp-
tion and phototransformation parameters served as basis for model
calibration. The Rhine catchment model generally achieved good fits to
the compound loads monitored during both field campaigns (Figs. 3B
and SI7). Calibrated k’pio field Values are listed in Tables SI14 and SI15
and posterior distributions are shown in Fig. 3A. Mean k’pio field Values
ranged from <1 to >3000 L (g OC d)’1 (Fig. 3A). It has to be noted that
the model framework only allows to differentiate k’p;q field values <30 to
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>1000 L (g OC d)Y; lower K’bio,field values practically mean that no
transformation was observed along the Rhine, higher k’po field values
indicate complete disappearance of the respective compound between
subsequent sampling locations.

Based on the differences in compound loads accumulating along the
Rhine during the two field campaigns, biotransformation can be
assumed to have been increased during P3 compared to P1 (see 3.2).
Accordingly, for eleven compounds (i.e., acesulfame, aliskiren, bezafi-
brate, diclofenac, levetiracetam, mefenamic acid, saccharin, sitagliptin,
trimethoprim, valsartan, and venlafaxine), k’yio field Values derived from
P3 data (k’pio field,p3) Were significantly higher than k’piofield values
derived from P1 data (k’pio,field,p1), i-€., there was no overlap of their
interquartile range. Another group of eight compounds showed a
possible but less significant difference of the same kind (i.e., atazanavir,
atenolol, bicalutamide, citalopram, cyclamate, lidocaine, metoprolol,
and saccharin). For clopidogrel carboxylic acid, hydrochlorothiazide,
lamotrigine, and sulfamethoxazole, k’pio field Values were similar during
P1 and P3, suggesting that their biotransformation is less sensitive to-
wards temporal variations, e.g., changes in season. Carbamazepine and
fexofenadine were the only counter-examples with significantly higher
K’bio,field,p1 values compared to k’pio field,p3 values (i.e., no overlap of
interquartile range); however, mean k’pio field Values derived for carba-
mazepine were close to/below the here defined identifiability range. In
the case of fexofenadine, an antihistamine, quarterly consumption data
available to estimate compound emission into the Rhine may not fully
capture the seasonal use of this pharmaceutical, potentially resulting in
overestimation of both emissions and k' field,p1-

It can be assumed that a major factor driving differences between
K’bio,field,p1 and K’pio,field,p3 are seasonal variations in water temperature
(Table SI16). Ideally, the Rhine catchment model should be updated to
account for the compounds’ varying transformation kinetics at changing
temperatures. However, a simple correction of k’pjq field according to the
Arrhenius equation does not seem feasible as the ratios between k’pjo,
field,p1 and K’pi field,p3 Vary across compounds, i.e., there is no systematic
increase for all compounds’ removal via biotransformation during
summer (Fig. 3A). This is in line with recent findings of (Meynet et al.,
2020) showing that temperature optima for micropollutant biotrans-
formation in activated sludge can vary strongly depending on compound
and expected reaction pathways.

Generally, absolute k’pio field Values are to be treated with caution as
our model framework calculates (bio)transformation for an entire
catchment, which requires a number of simplifying assumptions
resulting in uncertainties in model output parameters. It is not possible
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Fig. 2. Field compounds’ relative abundances and loads along the main channel of the river Rhine and its major tributaries measured during the P1 and P3
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abbreviations are given in Table SI1.

to distinguish between biotransformation and other fate processes based
on observed compound loads in the Rhine water body exclusively.
Hence, k’bio,field Values are conditional on the assumptions made during
model calibration. For example, by using a single K. value for the entire
catchment, the model framework cannot capture spatially varying
sorption behavior of compounds under changing bed sediment and
suspended particle properties within the stream network. As indicated
by variable outcomes of our sorption experiments and the literature
data, such variability is undeniable (Table 1). Yet, the posterior distri-
butions of knyro, kphoto, and Ko closely followed their prior distributions,
which indicates that there was no strong evidence against our laboratory
experiments-based prior assumptions in the observed field data. How-
ever, as expected, prior distributions for abiotic transformation influ-
enced calibrated k’pio field Values. This is especially critical in the case of
phototransformation, as translating kpnoto from laboratory to field is
subject to a number of uncertainties, e.g., actual light penetration into
the water body. Sensitivity to this parameter was nonlinear, i.e.,
changing the mean prior value of kphoto by a factor of 2 did not result in
statistically significant changes of the k’yo field €stimates, however, 5-
fold changes of kppoto resulted in k’pio field estimates differing by two
orders of magnitude. However, previous field studies on photo-
transformation kinetics of diclofenac at the surface of German river
stretches (<15 cm water depth) during the month of July resulted in rate
constants differing by a factor of <2.4 compared to the here employed
mean of the kpnoto prior distribution, supporting its feasibility for cali-
bration of the Rhine catchment model (Kunkel and Radke 2012; Radke
et al., 2010). Finally, from a microbiology perspective, the model would
need to be further underpinned with molecular biology data charac-
terizing the potential of sediment and water microbial communities to
catalyze a range of initial contaminant biotransformation reactions.

Consequently, the parameters of the Rhine model should be considered
as abstract values that describe the observed behavior at the catchment
scale, and k’pio field estimates should not be considered measurable as
such at any specific location in the catchment.

Yet, when including data from our phototransformation and sorption
experiments, the Rhine catchment model allowed to, at least semi-
quantitatively, elucidate biotransformation kinetics of >20 chemical
contaminants ubiquitously present within the river Rhine. It can there-
fore be considered a valuable contribution towards estimating the rate
and extent of biotransformation processes in riverine environments,
even when WWTPs densely distributed along the river preclude the
direct observation of compound attenuation. While k’pio field,p1 and k’pio,
field,p3 differ in terms of their absolute values, the compounds’ rank
relative to each other was well conserved (Spearman rank p= 0.78, p-
value <0.05) meaning that the Rhine catchment model identified the
same compounds as slowly or rapidly degrading regardless of whether
calibrated with P1 or P3 data. Therewith, outcomes of the Rhine
catchment model qualitatively align well with findings of previous
biotransformation studies in laboratory or field. For example, smallest
k’bio,field values during both field campaigns were calculated for carba-
mazepine and 4/5-methylbenzotriazole. Carbamazepine is well known
to remain persistent in aquatic environments (Coll et al., 2020; Tixier
et al.,, 2003). While 5-methylbenzotriazole was previously shown to
biotransform at moderate rates in water-sediment systems (Seller et al.,
2021), the low k’pio field values are probably distorted by the persistent
4-methylbezotriazole, which cannot be distinguished from 5-methylben-
zotriazole with the analytical method used here (Dummer 2014).
Highest k’pio,field Values were found for compounds easily biodegraded
by a range of enzymes present in WWTP effluent impacted surface wa-
ters or widespread among aquatic microbial communities in general, e.
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g., atenolol, bezafibrate, levetiracetam, or valsartan (Achermann et al.,
2018; Desiante et al., 2021; Seller et al., 2021).

3.4. Biotransformation in laboratory studies - calculation of k’pio,iab
values

The k’pio,lab Values were calculated based on data from modified
OECD 308-type studies in order to enable a comparison of laboratory-
and field derived transformation kinetics. Further, k’pio 1ap Values were
derived from studies conducted with different inocula, allowing to
simultaneously test whether the k’pj,-concept could facilitate unifying
observations from different laboratory studies as previously suggested,
yet only tested on three compounds (Honti et al., 2016). Hence, we
inferred k’pio,1ab from experiments conducted in river and pond inoc-
ulum individually (k’pio,1ab,r and k’bio,1ab,p, Tespectively) and across both
experimental setups (k’bio,lab,joint) for 38 compounds. First, k’pio,lab
values were normalized to TOC as proxy for degrader biomass and
ranged from 0.004 to >4000 L (g OC d)~! with standard model errors
mostly below 10% (Fig. 4, Table SI16). It has to be noted that k’pj 1ab
values <0.01 or >100 L (g OC d)~! are subject to identifiability issues

>
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due to slow or very fast transformation, respectively.

Comparison of mean k’pio,lab,r to mean k’pio 1ab,p revealed that the two
quantities show a statistically significant, strong correlation (i.e., Pear-
son’s r = 0.81, p-values <0.001, Figure SI8), regardless of slight dif-
ferences in absolute values. Further, it was possible to derive
biotransformation rate constants that are valid across both sets of
biotransformation simulation studies (k’pio,lab,joints Fig. 4A). The good fit
to the experimental data when jointly fitting data from both experiments
(Figs. 4B and SI9) confirms the hypothesis that the k’j,-concept allows
linking biotransformation kinetics of compounds with a range of
different properties across different water-sediment studies. Comparing
the individual fits to the joint fit revealed that the joint model solution
yielded more likely results for all compounds except for atenolol and
fenoxycarb, whose k’pjo1ab,r Values were outside of the here defined
identifiability range (comparison based on Akaike Information Crite-
rion, Table SI17). Further, for the large majority of compounds, k’pjc,1ab,
joint values were less uncertain than values from individual fits (co-
efficients of variation (CV) in Table SI17).

Second, in addition to TOC normalization, we also derived k’pio 1ab
values normalized to what we assume to be a more precise measure of
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total biomass than TOC, i.e., cell densities measured using flow cytom-
etry during modified OECD 308-type studies. Those k’piolab,cell Values
ranged from 0.01 to >4000 mL (10° cells d)~! (Table SI18) and, when
inferred from river and pond experiments individually, correlated
equally strongly as k’piq 1ap values normalized to TOC (i.e., Pearson’sr =
0.81, p-value< 0.001, Fig. SI8). Yet, t-statistics on the correlation be-
tween cell density-normalised k’pio,1ab,cell,r a0d K’pio,1ab,cell,p Showed that
the slope of the linear regression was not statistically significantly
different from 1, while, in contrast, the correlation between the two
quantities normalized to TOC had a slope distinctly lower than 1
(Fig. SI8). Those differences in slope indicate that normalization to cell
densities as a more precise measure for total biomass increases the
transferability of k’pio 1a between different experiments.

In a regulatory context, in which OECD biotransformation studies are
typically performed, model frameworks that enable system-agnostic
approaches are of special interest in risk assessment of synthetic
chemicals where compound-specific transformation parameters are
prime targets. As the measurement of biodegradation kinetics according
to regulatory testing guidelines is laborious and costly, reducing the
amount of experiments that need to be performed in order to determine
a compound’s biotransformation potential brings economic and
ecological benefits allowing to more easily consider a compound’s
environmental degradability during earlier phases of chemical design
(Fenner et al., 2020). In the future, different indicators for degrader
biomass, such as ATP measurements, could be tested to further improve
the transferability of kinetic parameters between different studies.

>
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3.5. Comparison of biotransformation kinetics in modified OECD 308-
type studies and the Rhine river basin

3.5.1. Direct comparison of k’bio,iab and kbio field

We compared k’pio.1ab and k’pio,field values in order to assess to what
extent biotransformation data from laboratory experiments reflect
compound degradation in the Rhine river basin. Comparing biotrans-
formation between laboratory and field was possible for 23 compounds,
i.e., field compounds for which we were able to derive both meaningful
K’bio,field and K’pio lab,joint Values. We directly compared k’pio,field,p3 t0
k’bio,lab,joint €Stimates as the temperatures measured in the water column
of the main channel of the Rhine during P3 (Table SI16) were in the
same range as temperatures during modified OECD 308-type studies, i.
e., 2242 °C (Seller et al., 2021). On the laboratory side, we used k’pio,jab,
joint values normalized to TOC to allow for a direct comparison of
quantities.

Comparing absolute values of k’pjo, field,p3 t0 kK’bio,lab,joint T€Vealed that
Kk’bio,lab,joint Values are generally about two orders of magnitude lower
than k’pio field,p3 values (Fig. 5A). While uncertainties associated with
absolute values of k’pio field,p3 are to be expected (see 3.3), the large
difference between laboratory and field k’p;, may point to a systematic
under-estimation of field degradation rates by laboratory simulation
tests. Faster transformation in the field can be speculated to be due to the
fact that the compounds were exposed to more diverse microbial de-
graders and degradation pathways during their travel in the Rhine river
catchment than while being entrapped in experimental vessels (Chali-
four et al., 2021). In its current form (i.e., using TOC as proxy for
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degrader biomass), the k’pj,-concept cannot account for such differing
characteristics of microbial communities and their varying capacities for
biotransformation of chemicals. Further, the extent of hyporheic ex-
change, i.e., contact with sediment biofilms, has been demonstrated to
influence contaminant transformation (Jaeger et al., 2019; Jaeger et al.,
2021). The lower k’pbio lab,joint Values may suggest that even modified
OECD 308-type test systems do not fully capture the impact of hyporheic
exchange on biotransformation. Differences in sediment-water mixing
might thus explain part of the increased degradation observed in the
field.

Regardless of the differences in absolute values, linear regression
revealed a statistically significant, moderate correlation between k’pjo,
field,p3 and k’bio,lab,joint (i-€., Pearson’s r = 0.6, p-value <0.05, Fig. 5A).
The compound valsartan is the strongest outlier in the correlation be-
tween K’pio,field,p3 and k’pio,lab,joint- HOWever, together with bezafibrate
and levetiracetam, its k’pio,field,p3 Value is above the here defined iden-
tifiability range. Yet, it has to be noted that fixing outlier k’p;, values to
the identifiability range (i.e., 30 L (g OC dl< K’ bio,field,p3 < 1000 L (g
0C d)! and 0.01 L (g OC d) ™! < K’pio tabjoint < 100 L (g OC d)™1) does
not influence correlation parameters, i.e., Pearson’s r value of 0.6
remains.

Compared to previous — for the majority inconclusive — attempts to
relate biotransformation parameters derived from standard OECD 308
studies (i.e., DTsp) to compound dissipation from riverine environments
(Radke and Maier, 2014a), the observed relationship between ki 1ab
and k’pio field values represents a clear improvement, suggesting that
outcomes of laboratory simulation studies indeed — to some extent —
reflect transformation kinetics observed in the environment. Hence,
compared to DTsg, the k’pio-concept appears more suitable to investigate
biotransformation kinetics of compounds covering a wide range of
different transformation and sorption behavior (e.g., field compounds
with K, values covering roughly four orders of magnitude, Table 1)
under spatially varying conditions. As indicated by the increased
transferability of k’pio1ap Values between different laboratory studies
when normalized to cell densities (Figure SI8), a more accurate esti-
mator of degrader biomass may allow to further converge k’pio,1ab and
K’ bio,field values. While data on bacterial cell densities in the Rhine river
catchment is not yet available, flow cytometry has been shown to be
feasible for in-situ monitoring of cell densities in aquatic ecosystems
(Besmer et al., 2014) and may hopefully be considered in future field
campaigns.

3.4.2. Relative ranking and clustering of compounds in laboratory and field

Relative comparison of biotransformation kinetics in laboratory and
field allowed a ranking-like analysis of the compounds. Derived k’pj,
values were scaled to the range of values derived from laboratory
studies, P1, and P3, respectively, and logarithmized to allow for a clear
differentiation between lower values (Fig. 5B). Scaled k’p;, values
differed <1 log unit between laboratory and field for the majority of
compounds compared (i.e., 20 out of 23). Only for the three compounds
carbamazepine, lamotrigine, and lidocaine scaled k’y;, values differed
by 2 log units between laboratory and field. In case of carbamazepine,
absolute K’pio,labjoint and K’pio,field,p3 values are lower than the here
defined identifiability ranges and differences in scaled values are
therefore to be treated with caution. The overall good accordance of
scaled k’p;, vales indicates that, regardless of differences in absolute k’p;,
values, the behavior of the field compounds relative to each other stays
well conserved when relating outcomes of laboratory studies to
biotransformation kinetics in the field.

Based on relative rankings, it was possible to cluster compounds into
groups showing consistently fast, moderate, or slow transformation in
both modified OECD 308-type studies and in the Rhine river catchment
(Fig. 5B, C). Eleven compounds were identified as showing rather fast
biotransformation in both laboratory and field studies, i.e., atenolol,
bezafibrate, clopidogrel carboxylic acid, cyclamate, diclofenac, levetir-
acetam, metoprolol, saccharin, sulfamethoxazole, trimethoprim, and

11

Water Research 235 (2023) 119908

valsartan. The nine compounds acesulfame, bicalutamide, citalopram,
gabapentin, irbesartan, lidocaine, mefenamic acid, sitagliptin, and
venlafaxine showed moderate transformation kinetics. Finally, very
slow to no biotransformation was observed in case of carbamazepine,
hydrochlorothiazide, and lamotrigine. Based on this grouping into slow,
moderate and fast degrading compounds, we calculated the geometric
mean k'pi, values across all compounds belonging to the same group
(Fig. 5C) from their absolute k’p;, values. Regardless whether consid-
ering field or laboratory data, mean k’pj, values differed significantly
between each group allowing to clearly distinguish between compounds
exhibiting different potential for biotransformation.

As our selected field compounds cover quite a wide range of different
transformation and sorption behavior, here derived mean k', values
may be considered as points of reference when aiming to classify further
compounds’ potential for biotransformation based on field or laboratory
data. Additional data from future laboratory and field studies could help
to fine-tune mean k’piq 1ab/ K bio,field Values as points of reference both in
terms of their feasibility for read-across applications between other
laboratory and field studies and also in terms of their chemical appli-
cability domain.

4. Conclusion

e We demonstrate that inverse modeling in combination with the k’p;,-
concept can be used to describe biotransformation kinetics of WWTP
effluent-borne compounds within a large, densely populated river
basin. Our field studies reveal that the 27 field compounds are
ubiquitously present within the Rhine river catchment and accu-
mulate along the main channel of the Rhine, making it impossible to
directly observe compound dissipation from monitoring data. Yet,
K’bio,fiela showed to be a suitable parameter to at least semi-
quantitatively elucidate the compounds’ varying potential for
biotransformation.

e The evaluation of aerobic laboratory simulation experiments proved
that the k’pip-concept allows to unify observed transformation ki-
netics across laboratory studies with different sediments (i.e., k’pio,
lab,joint), and that transferability of k’pj, between different water-
sediment systems increases with a more precise measure of total
biomass, i.e., employing bacterial cell densities rather than TOC as
the normalizing factor for transformation.
Comparing k’piojab and k’piofiela revealed that absolute values
differed between laboratory and field, pointing towards faster
transformation in the Rhine river basin. Yet, data gathered for the
large number of 23 directly comparable compounds demonstrate
that grouping based on relative compound behavior bears consid-
erable potential when aiming to reflect biotransformation of micro-
pollutants in natural riverine environments by performing
biotransformation simulation studies.
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