Journal of Environmental Chemical Engineering 11 (2023) 111588

Contents lists available at ScienceDirect

Journal of Environmental Chemical Engineering

journal homepage: www.elsevier.com/locate/jece

ELSEVIER

Check for

Experimental investigations of Per- and Poly-fluoroalkyl substances (PFAS) |
degradation by non-thermal plasma in aqueous solutions

David Alam °, Samiuela Lee *, Jungmi Hong ?, David F. Fletcher *, Dale McClure *”, David Cook ¢,
PJ Cullen®, John M. Kavanagh®
@ School of Chemical and Biomolecular Engineering, The University of Sydney, 2006, Australia

Y Department of Chemical Engineering, College of Engineering, Design and Physical Sciences, Brunel University, Uxbridge, London UB8 3PH, UK
¢ Ventia Australia Pty Ltd, North Sydney, NSW, 2060, Australia

ARTICLE INFO ABSTRACT

Editor: Xin Yang The treatability of perfluorocarboxylic acids (PFCA) (perfluorobutanoic acid (PFBA), perfluorohexanoic acid
(PFHxA), perfluorooctanoic acid (PFOA) and perfluorodecanoic acid (PFDA)) and perfluorosulfonic acids (PFSA)
(PFBS, Perfluorooctanesulfonic acid PFHxS and Perfluorooctanesulfonic acid (PFOS)) via a bubble column with
non-thermal plasma discharges in the argon headspace were investigated in individual solutions and from surface
water sourced from a contaminated site. High degradation (>90%) could be achieved for PFOA, PFHxS and PFOS
within 40 min treating the contaminated surface water. Overall, treatability correlated with the length of the
perfluorinated carbon chain, with a decrease in treatability associated with a reduction of the length of the
perfluorinated backbone. Experiments with prepared PFAS solutions at initial concentrations of 10, 25 and 50
pg/L found higher initial concentrations of PFCA and PFSA were associated with faster degradation rates sug-
gesting the treatment efficiency was limited by mass transfer of PFAS. Negligible breakdown was observed for
PFBA at any of the concentrations trialled, indicating limitations when treating more hydrophilic PFAS, which
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may require combining this treatment approach with a polishing step, such as nanofiltration.

1. Introduction

The term Per- and Poly- fluoroalkyl Substances (PFAS) encompasses
over 5000 compounds containing either completely fluorinated (per-
fluorinated alkyl substances) or partially fluorinated (polyfluorinated
alkyl substances) hydrophobic alkyl chains [1] Of particular concern are
the perfluoroalkyl acids (PFAA) with the general chemical formula
CpFan+1X, whereby X represents a charged functional moiety (e.g. car-
boxylic (-COOH), sulfonic (-SO20H) or phosphonic (-PO(OH)5) acids).
[2,3]. Due to the high stability of the carbon-fluorine bond, many PFAS
are chemically and thermally stable and, depending on the structure,
can act as surfactants with exceptional hydrophobic and lipophobic
properties [4]. These compounds historically found usage in industrial
applications involving severe conditions, such as chrome electroplating
of metal [5] and in consumer applications in stain-resistant textile and
paper coating formulations [4,6,7]. Compounds such as per-
fluorooctanoic acid (PFOA) and perfluorosulfonic acid (PFOS) were
widely used in these applications until their phase-out and formal
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classification as persistent organic pollutants (POPs) after they were
found ubiquitously present in the environment, even in remote Arctic
regions [8-10].

The use of Aqueous Film Forming Foam (AFFFs), which historically
contained PFAS, has also contributed to extensive environmental
pollution as these were commonly used to extinguish hydrocarbon-fuel
fires at military bases, airports and firefighting training facilities
worldwide [11]. These foams float on the top of flammable liquids to
extinguish flames by forming a barrier to prevent oxygen contact with
the liquid, allowing vapours to escape and to cool surfaces to prevent
re-ignition [4]. After use, these foams were generally washed away into
drainage systems which allowed these pollutants to enter into surface
waters or permeate through the soil into groundwater aquifers, allowing
contamination to spread several kilometres from the initial usage site
[12-14]. Additionally, these PFAS can enter the environment due to the
shedding of material during typical usage, washing and during their
disposal, as the anaerobic biodegradation of PFAS coated textiles and
carpets in landfill can liberate the PFAS molecules, allowing them to
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travel through percolated rainwater and contaminate the surrounding
areas if this landfill leachate is not properly contained [15]. Studies of
communities exposed to PFAS contaminated water found probable links
with adverse health effects, including kidney and testicular cancer,
elevated cholesterol, pregnancy-induced hypertension, thyroid prob-
lems, hormone irregularities, and ulcerative colitis. [16-18].

The remediation of PFAS contaminated water has primarily focused
on removing the PFAS by filtration and adsorbent-based processes,
including ion-exchange resins [19,20], membrane filitration [21-23] or
various activated carbon-based adsorbents [24-26]. These processes
have shown applicability for removing PFAS from water; however, these
processes produce a concentrated PFAS-laden waste stream or spent
adsorbent material, which presents additional logistical issues to
transport and disposal via an environmentally safe method.

To avoid these issues, technologies capable of destroying PFAS
directly in contaminated waters has led to treatment strategies,
including sonochemical [27,28] and hydrothermal alkaline treatment
(HALT) [29-31] which can directly destroy PFAS in contaminated wa-
ters but suffer from low energy efficiency or require the addition of
caustic chemicals and high temperatures. More advanced remediation
methods utilising electrochemical oxidation/reduction [32-34] and
non-thermal plasma [35,36] directly interfaced with contaminated
water have shown potential for more energy-efficient destruction of
PFAS under ambient conditions. These treatment processes can be done
directly on-site to avoid the risks and additional expenses of transporting
PFAS-contaminated material to waste treatment facilities. These pro-
cesses expose PFAS to highly active radical species (OH™, O3~, O, H) and
solvated electrons (e;q), which can mineralise PFAS via reductive
pathways [37-40]. Each of these treatment methods utilises electricity
to generate radical species; however, the lower power densities used by
electrochemical oxidation requires much longer treatment times of up to
10 h to achieve high levels of breakdown [41,42].

Non-thermal plasma based PFAS destruction processes can interface
a plasma directly with the PFAS-contaminated water, interfacing the
PFAS with the highly active radical species and effectively mineralising
them. Different plasma reactor designs have been trialled for the
degradation of PFAS, including Reverse Vortex Gliding Arc [43], falling
film reactors [35], and preconcentration by bubbling with surface
discharge [36,44], with this latter approach exhibiting greater potential
for scalability, and has been trialled at working treatment volumes of
300 L, whereas the other treatment strategies were trialled at a 1 L scale
[45]. This treatment approach exploits the strong surfactant nature of
PFAS which accumulate at the gas-liquid interface of the bubble which
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rises to the surface, enriching the localised concentration of PFAS by
several orders of magnitude [46]. The plasma discharge then directly
exposes the PFAS at the liquid surface to introduce short lived radical
species and solvated electrons into the water, as well as bombarding the
surface with highly energetic ionised gaseous species which can further
facilitate breakdown [47]. Additionally, with sufficient energy input,
the plasma channel can reach sufficiently high temperatures (>2000 K),
to achieve thermal decomposition of PFAS [48]. The experimental
studies aim to investigate further and improve the understanding of the
applicability and treatability of PFAA via plasma treatment by investi-
gating their respective degradation rates in prepared PFAS solutions and
real-world contaminated surface water samples.

2. Materials and methods
2.1. Experimental setup

The treatment reactor shown in Fig. 1 consisted of a 200 mm tall,
150 mm OD (140 mm ID) acrylic tube with 50 mm wide flanges on both
ends which could be sealed with an acrylic plate. The total volume inside
the reactor was ~ 3.1 L, with a working volume of 2 L of liquid used for
all experiments. A carborundum dome-shaped diffuser (60 mm OD, 30
mm tall) was positioned in the centre on the base of the reactor and
connected with flexible tubing to an Alicat (USA) mass flow controller
(MCS-10SLPM-D) supplying argon at 1 L/min. Argon gas was used as the
plasma working gas as it has a low breakdown voltage of 2.7 kV/cm
compared with air at 32 kV/cm, allowing for the gas to be easily ionised
into plasma while also being more available and economical compared
with helium or other noble gases [49].

At this flow rate, the diffuser produced bubbles ranging in diameter
from 2 to 5 mm, with a Sauter mean diameter of 3.8 mm based on the
frequency distributions from characterising a series of images that
contained a total of 1200 bubbles. The bubble sizing methodology
determined the bubble size, assuming an equivalent diameter for a circle
based on the quantified projected area of the bubbles. Further details of
the methodology have been included in the Supplementary Information.
A series of 8 tungsten carbide tipped rods were used as the high voltage
electrodes and were connected to a power distributor which rotated at a
rate of ~ 500 rpm cycling the plasma discharge through each electrode
several times per second to allow for a larger overall liquid surface area
to be interfaced with plasma. The ground electrode consisted of a
6.35 mm stainless steel rod inserted through the lid directly into the
liquid and connected to the return wire of the power supply.
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Fig. 1. Schematic diagram of the plasma treatment reactor.
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A Plasmaleap (Australia) Leapl00 high-voltage, high frequency
micropulse generator was used to produce the plasma discharges. A
peak-to-peak voltage of 3.5 & 0.3 kV oscillating at 58.00 kHz and pulse
frequency of 1000 Hz was used. A Rigol (China) 4-channel digital
oscilloscope (DS6104) was used with a North Star High Voltage (USA)
high voltage probe (PVM-6) and Pearson Electronics (USA) current
monitor (Model 2877) to measure the voltages and current applied to
the discharge electrodes during discharge. The power consumed by the
plasma discharge was calculated to be 4.0 + 0.7 W by integrating the
voltage and current waveforms with respect to time. These values were
determined based on averaging the results from pentaplicate measure-
ments and calculations and included the standard deviation as a margin
of error. Typical voltage and current waveforms have been included in
Fig. 2 to present the waveforms of a pair of electrical pulses (left) and
over a single pulse (right) to highlight the oscillating nature of these
electrical pulses applied to the high voltage electrode.

The optical emission spectra (OES) of the plasma discharge in the
gaseous headspace was captured using an Oxford Instruments (UK)
Andor Shamrock 500i spectrometer fitted with a Newton DU920P-OE
charge-coupled device (CCD) camera. Solis Spectroscopy software
from Oxford Instruments was used for the data acquisition and spectrum
processing. A fibre optic cable was inserted through the reactor lid and
positioned to capture the light from the plasma discharges into the
spectrometer.

Liquid samples were taken =~ 30 mm below the surface using a 50 mL
polypropylene syringe and stored in certified PFAS-free HDPE sample
bottles for later analysis by liquid chromatography-tandem mass spec-
trometry (LC-MS/MS) and ion chromatography (IC). The syringe was
filled and emptied 5 times before acquiring and transferring the liquid
sample into the sample bottle. Samples were taken before treatment and
after 5, 10, 15, 20, 40, 60, 90 and 120 min of plasma treatment.

2.2. Chemicals

Aqueous stock solutions of each PFAS investigated were prepared to
a concentration of ~ 50,000 pg/L in deionised water using the following
chemicals sourced from Sigma Aldrich (Australia) without further pu-
rification: Perfluorobutanoic acid (PFBA, 98%), Perfluorohexanoic acid
(PFHxA, 97%), Perfluorooctanoic acid (PFOA, 95%), Per-
fluorooctanesulfonic acid (PFOS, ~40% in H,0), Perfluorodecanoic acid
(PFDA, 98%) Perfluorohexanesulfonic acid (PFHxS, 98%) and Per-
fluorobutanesulfonic acid (PFBS, 97%). Before an experiment, 0.5-2 mL
of the stock solutions were added into the treatment reactor and mixed
into 2 L of an aqueous solution containing ~ 2.4 mM sodium chloride
(~300 + 1 pS/cm) prepared with reverse osmosis water to reach the
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required PFAS concentration of 10, 25 or 50 pg/L.
2.3. Contaminated surface water composition

The contaminated surface water was sourced from a concrete lined,
storage pond from an undisclosed site within Australia with a known
history of fire-fighting foam usage and was found to contain a total of 15
different PFAS species, including a range of perfluorocarboxylic acids
(PFCA), perfluorosulfonic acids (PFSA) and fluorotelomersulfonic acid
(FTS) of varying carbon chain length from 4 to 10 as shown in Table 1. A
total of 29.7 pug/L of PFAS was detected in the surface water with PFOS
accounting for 62% of the total concentration of PFAS present in the
surface water at 18.5 pg/L.

Water quality parameters of the contaminated surface water were
tested by Envirolab Services (Australia), including cation composition,
pH, conductivity, and alkalinity (Supplementary Information, Table S1).
The surface water was found to have a conductivity ~ 320 pS/cm and
pH of 7.4, indicating it was slightly alkaline owing to the presence of
44 mg/L of bicarbonate ions. Sodium ions were found to be in the
greatest abundance at 33 mg/L, followed by calcium at 7.2 mg/L, po-
tassium at 2 mg/L and magnesium at only 1 mg/L. Additionally, a
Methylene Blue Active Substances (MBAS) assay was undertaken to
detect any anionic surfactants that could have been present due to
contamination by other surfactants; however, none could be detected
above the detection limits of 0.1 mg/L. [50].

2.4. Liquid chromatography-tandem mass spectrometry (LC-MS/MS)

A Thermo Scientific (USA) TSQ Altis triple quadrupole mass spec-
trometer was used to analyse samples by LC-MS/MS. The elution solvent
consisted of a binary solvent mixture of: (A) 98 vol% deionised water,
2 vol% methanol, 0.1 vol% acetic acid and 2 mM ammonium acetate,
and (B) 98 vol% methanol, 2 vol% deionised water 0.1 vol% acetic acid
and 2 mM ammonium acetate. The methanol used was LC-MS grade,
whereas the ammonium acetate and acetic acid were of trace metal
grade (99.999%) and used without further purification. The gradient
elution method given in Table 2 was used at a total flow rate of 0.3 mL/
min. The first 2 min of the method were diverted to waste before
switching to the MS/MS to prevent inorganic salts from precipitating
and blocking the nebuliser.

An Agilent Zorbax Rapid Resolution High Definition (RRHD) Eclipse
Plus column (1.8 pm packing, 3 x 50 mm) was used an isolator column
in conjunction with an Agilent Zorbax RRHD StableBond C18 (1.8 um
packing, 2.1 x 100 mm) analytical column for the separation of the
PFAS analytes. Samples were injected directly in the LC-MS/MS without
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Fig. 2. Voltage and current waveforms over a pair of electrical pulses (left) and a single pulse to more clearly visualise the high frequency oscillations (right).
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Table 1
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Composition of the PFAS contaminated surface water treated categorised based on structure: PFSA (left), PFCA (middle) and FTS (right).

Perfluorosulfonic acid (PFSA) Conc. (ug/L)

Perfluorocarboxylic acid (PFCA)

Conc. (pg/L)) Fluorotelomersulfonic acid (FTS) Conc. (ug/L))

Perfluorobutane sulfonic acid (PFBS) 0.26 Perfluorobutanoic acid (PFBA) 0.32 6:2 Fluorotelomer sulfonic acid (6:2 FTS) 2.50
Perfluoropentane sulfonic acid (PFPeS) 0.27 Perfluoropentanoic acid (PFPeA) 0.64 8:2 Fluorotelomer sulfonic acid (8:2 FTS) 0.10
Perfluorohexane sulfonic acid (PFHxS) 3.00 Perfluorohexanoic acid (PFHxA) 3.05
Perfluoroheptane sulfonic acid (PFHpS) 0.28 Perfluoroheptanoic acid (PFHpA) 0.22
Perfluorooctane sulfonic acid (PFOS) 18.50 Perfluorooctanoic acid (PFOA) 0.46
Perfluorodecane sulfonic acid (PFDS) 0.04 Perfluorononanoic acid (PFNA) 0.04
Perfluorodecanoic acid (PFDA) 0.03
Total PFSA 22.35 Total PFCA 4.76 Total FTS 2.60

Total concentration of PFAS detected: 29.7 pg/L

Table 2
Gradient elution method used to separate and analyse PFAS analytes.
Composition

Time (min) A B
0 100 0
2 100 0
3 80 20
8 50 50
15 15 85
16 0 100
19 0 100
19.01 100 0
23 100 0

prior filtration and analysed in triplicate to avoid introducing sampling
bias due to analyte retention due to sample filtration [51]. Before
analysis, each sample was spiked with a deuterated C'® mass-labelled
PFAS standard mixture (MPFAC-24ES, Wellington Laboratories) con-
taining 19 different isotopically doped PFAS standards used as an in-
ternal reference to account for injection recovery.

2.5. Ion chromatography

Fluoride ions formed during the defluorination of PFAS were iden-
tified using a 930 compact Ion Chromatograph (IC) with ProfIC auto-
sampler and dilution module from Metrohm (Switzerland). A Metrosep
A Supp 7 (5 um packing, 4 x 250 mm) column was used to separate the
analytes over 32 min using an isocratic flow rate of 0.7 mL/min of
3.6 mmol/L sodium carbonate. Samples were analysed unfiltered and
undiluted with an injection volume of 100 pL. Type I (Ultrapure water)
generated by an Elga (UK) PURELAB Quest water purification system
was used to prepare the mobile solvent and calibration standards.

3. Results and discussion
3.1. Plasma treatment of PFAS contaminated surface water

A 2 L volume of the PFAS-contaminated surface water was directly
plasma treated for 120 min without prior filtration or dilution. The
composition of PFAS in the surface water during plasma treatment
markedly changed over time, as shown in Fig. 3. The concentration of
PFOS rapidly decreased to half after only 5 min of plasma treatment and
reached a ~ 99% reduction after 40 min from an initial concentration of
18.5 pg/L. Particularly long chain (>6 carbon) PFSA and FTS showed
the highest affinity to degradation by plasma treatment, with a 99.9%,
94.7% and 100% reduction in PFOS, PFHxS and 6:2 FTS after 120 min of
treatment which combined accounted for 80.8% of the total PFAS
initially detected in the surface water. After 120 min of treatment, long
chain PFCA (>C8) PFOA, PFNA, and PFDA all reached below detectable
levels, while the shorter chain compounds proved more resistant to
degradation. Each of the compounds initially detected in the surface
water decreased in concentration after plasma treatment, except for
PFBA and PFPeA, which accumulated as by-products of the degradation
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Fig. 3. Change in concentration of each PFAS detected in the contaminated
surface water compared with the initially detected concentrations after 5, 20,
40 and 120 min of plasma treatment.

of the longer chain analogues. These short chain species steadily rose in
concentration over time, increasing by 100% and 43.8% after 120 min
of plasma treatment from their initially detected concentrations of
0.32 pg/L and 0.64 pg/L.

As shown in Fig. 3, the breakdown rate of PFAS was at its highest
over the first 10 min of plasma treatment with a 63.2% reduction in the
total concentration of PFAS, reaching 80.5% after 40 min. Continuing
plasma treatment for a further 80 min only resulted in an additional
3.4% reduction in the total concentration of PFAS and reached a
maximum of 83.4% breakdown after 120 min. The overall PFAS
breakdown rate was found to decrease logarithmically over time as the
total PFAS concentration decreased as compounds such as PFOS, PFHxS,
and 6:2 FTS reached high levels of degradation, leaving primarily the
shorter chain (<C6) PFCA compounds in the surface water which were
less amenable to degradation (Fig. 4).

Through analysis of the physiochemical properties of these com-
pounds, both the octanol/water partition coefficient (K,,) and adsorp-
tion coefficient (K;) were found to be reliable indicators of a compound’s
tendency to degrade during plasma treatment. The K,, coefficient is
defined as the ratio of a chemical’s concentration in the octanol phase to
its concentration in the aqueous phase in a two-phase octanol/water
system, [52], whereas the K; coefficient is a measure of the equilibrium
concentration of surfactant molecules adsorbed onto the air-water
interface, in relation to the concentration of molecules in the bulk
liquid solution [53,54]. Each of these coefficients can be used to
determine the affinity for a particular compound to adsorb to the
gas-liquid interface. The change in concentration after 120 min of
plasma treatment of each species and their respective K,, value is pre-
sented in Fig. 5 (Left) and their respective K; value in Fig. 5 (Right). The
K,y values were computationally estimated using the EPI Suite™ soft-
ware package (US EPA) which has been shown to provide reasonable
approximations for PFAS, [55,56], whereas the adsorption coefficients
were sourced from Brusseau (2019) [57]. Compounds possessing a Koy,
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value above PFOS (4.49), approached 100% degradation after 120 min
of plasma treatment, whereas degradation approached 100% for PFAS
with K; coefficients > 1 um. These trends are similar to those observed in
Murphy et al. (2021) who reported removal of PFAS approached 100%
for compounds with adsorption coefficients greater than ~ 1 ym using
Surface-Active Foam Fractionation (SAFF) [53]. As the hydrophobicity
of the PFAS decreased, they became much less amenable to degradation
via this plasma treatment method which relies upon surfactant proper-
ties of PFAS to congregate at the air-water interface of the bubble and be
transported to the liquid surface for degradation. Of the classes of
compounds present in the surface water, FTS were observed to be the
most reactive class of PFAS as their structure incorporates two aliphatic
carbons, unshielded by fluorine atoms, followed by PFSA and PFCA
[58].

3.2. Treatment of individual PFAS solutions

Potential interactions between PFAS during plasma treatment were
difficult to discern due to the complicated mixture of compounds. To
further the understanding of the PFAS breakdown rates prepared PFAS
solutions were treated in the same reactor under the same experimental
conditions. The PFCA and PFSA compounds shown in Table 3 with
perfluorinated aliphatic carbon lengths varying between 4 and 10 were
investigated for treatability for 120 min with an initial concentration of
10, 25 and 50 pg/L in 2 L of 300 + 1 pS/cm aqueous solution prepared
with reverse osmosis water with added sodium chloride to represent
background ions.

3.2.1. Degradation of perfluorocarboxylic acids

As shown in Fig. 6, the experimental results demonstrate a strong
correlation between chain length and the overall tendency for a com-
pound to breakdown during plasma treatment using the developed
reactor. When studying the compounds in their respective individual
solutions, it is evident that the decrease in surface activity with a
reduction in chain length greatly reduces a compound’s degradation
rate. This was most clearly observed at an initial concentration of 10 pg/
L, with an 87.7%, 61.6%, 21.4% and 0% reduction in PFDA, PFOA,
PFHxXA and PFBA after 120 min of plasma treatment. At an initial con-
centration of 50 ug/L and 25 pg/L, PFDA and PFOA showed similar
levels of degradation over 120 min plasma treatment due to their hy-
drophobicity, which were able to accumulate at the gas-liquid interface
of the bubbles and subsequently the plasma-liquid interface for
destruction. However, at an initial concentration of 10 ug/L, the more
strongly hydrophobic PFDA (37 um) reached a 90% reduction after
120 min of plasma treatment, whereas PFOA (2.3 um) reached a lower
overall degradation of 63%. The breakdown rate of the comparatively
less hydrophobic PFOA reduced with decreasing concentrations < 5 pg/
L, as fewer molecules could accumulate to rising bubbles and undergo
destruction. This decrease in degradation indicates the treatability of a
compound is heavily influenced by their structure and relative concen-
tration in the solution, with more strongly hydrophobic compounds able
to reach higher overall degradation due to a greater affinity to the gas-
liquid interface, further supporting previous observations which saw a
logarithmic decrease in breakdown rates as concentration decreased
< 5 pg/L.

No quantifiable (<5%) reduction in the initial concentration of PFBA
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Table 3
Structure of the PFCA and PFSA compounds investigated.

Journal of Environmental Chemical Engineering 11 (2023) 111588
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Fig. 6. Normalised concentration of each of the PFCAs during plasma treatment at an initial concentration of 10 ug/L (Left), 25 pg/L (Centre) and 50 ug/L (Right).

in the solution could be observed in any of the samples taken over time
during plasma treatment, and neither were any breakdown products
detected by LC-MS/MS or IC. The concentration of PFBA remained
consistent over time for each of the concentrations trialled, indicating
that the recovery of this species was effectively 100%. The high re-
coveries of PFBA detected at each time point were used to conclude that
no measurable decomposition had occurred due to plasma treatment,

nor were their significant losses due to aerosol formation or volatilisa-
tion due to the mechanical agitation of bubbling or sticking to reactor
surface walls.

The addition of cosurfactants as a foaming agent or charged collector
has been used in foam floatation experiment studies to aid in removing
PFAS from landfill leachate, with cationic surfactants producing the
most significant enhancement [59]. Cationic surfactants such as
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cetyltrimethylammonium bromide (CTAB) have also been used as a
co-surfactant to enhance the destruction of shorter chain PFAS in
plasma-based treatment processes, as the positive charge on this sur-
factant can attract the negative tail of these short chain PFAS to the
bubble surfaces and hence transport the molecules to the plasma-liquid
interface for destruction [60,61]. However, while destruction of these
short chain compounds could be achieved through the use of a cationic
surfactant, caution must be exhibited as there is a significant risk of
forming unwanted by-products during the plasma treatment such as
bromate (BrO3) ions which are difficult to remove by water treatment
processes [61]. Investigating alternative cationic co-surfactants or
flotation aids to enhance PFAS degradation rate may help to mitigate
potential risks in forming these hazardous products and will likely be a
key research topic moving forward.

Ideally, a destruction technology would be able to address the full
range of short and long chain PFAS simultaneously; however, due to the
wide range of chemical properties of PFAS detected in contaminated
sites, this will be highly challenging. To more adequately address the
remediation of PFAS, a secondary treatment step to remove residual
concentrations of PFAS present in plasma-treated streams would be
required in a treatment train and could utilise technologies such as
nanofiltration or ion-exchange resins to polish the water and meet
emission standards [62]. The use of plasma treatment in conjunction
with ion exchange resins are particularly advantageous as these adsor-
bents have been shown to achieve high removal rates for shorter chain
PFAS, such as PFBA or PFBS, with polystyrene divinylbenzene (PS-DVB)
based resins, [63] but can exhibit competitive adsorption between the
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long and short chain PFAS with prolonged contact times (>48 hrs)
which displaces the shorter chain PFAS from binding sites on the ion
exchange resins and reduces removal efficiency [64]. By initiallyinitial
plasma treating the PFAS contaminated water, the long chain, hydro-
phobic PFAS could be destroyed, allowing the resin to have a higher
capacity for removing the shorter-chain species as the competing species
that could displace the short chain species from the resin are removed.
Furthermore, the use of a plasma-based destruction process as part of a
two stage remediation approach would greatly reduce the overall
quantities of PFAS in the inlet stream for the polishing step, thereby
prolonging the effectiveness of the adsorbent and the time between
regeneration cycles or resin bed changes.

The formation of several shorter chain PFCA were detected as the
degradation products from each PFCA and concentrations were inves-
tigated as shown across the graphs presented in Fig. 7. The total quantity
of short-chain products detected by LC-MS/MS was dependent on the
initial concentration of the PFCA, the compound’s surface activity and
breakdown rate. The quantities of shorter-chain PFCA breakdown
products represented only a small fraction (<5%) of the total fluorine
from the destroyed parent PFCA compound being converted to shorter-
chain breakdown products. The proportion of short-chain PFCA detected
in these experiments is comparable with findings and recoveries of
similar works, which proposed that these short-chain compounds ac-
count for < 10% of the total fluorine in the reactor [65,66]. These results
suggest a high degree of mineralisation had occurred due to a combi-
native approach of thermal decomposition induced by the plasma at the
surface and the high energy species contributing as the primary
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Fig. 7. The concentration of the short-chain PFCAs detected in the liquid samples over time during plasma treatment. PFDA at 50 pg/L (A), 25 pg/L (B), and 10 ug/L
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degradation pathways. The formation of gaseous products could not be
identified but may have occurred as a result of radical cyclisation re-
actions of perfluoroalkyl chain radicals, forming cyclic perfluorocarbons
containing between 4 and 8 carbons [36].

3.3. Degradation of perfluorosulfonic acids

In these experimental investigations, PFBS, PFHxS, and PFOS, were
treated under the same experimental conditions, concentrations, and
plasma reactor configuration for treatment times up to 120 min to
determine the treatability of these PFSAs compared with their carbox-
ylic acid analogues. Owing to the similar structures of the compounds
investigated, the overall trend in the degradation rate of the PFSA
similarly correlated with chain length, as can be seen in the graphs
presented in Fig. 8. However, as these compounds possess superior
surfactant strength and a greater ability to reduce the surface tension of
a liquid compared with their PFCA analogues, [67] the PFSA investi-
gated were found to be more susceptible to degradation as they could be
more easily floated to the liquid surface for destruction. In comparison
with their carboxylic acid analogues, PFOS reached 86% degradation at
50 ug/L initial concentration compared with PFOA 57% after 120 min of
plasma treatment, and unlike PFBA, some decomposition of ~ 15%
PFBS could be observed at each of the concentrations investigated after
the 120 min of plasma treatment as shown in Fig. 8.

The quantified breakdown products detected by LC-MS/MS from
PFOS, PFHxS and PFBS are shown in Fig. 9, and consisted of a range of
shorter chain PFCA containing from 4 to 8 carbons. When treating the
PFSAs, the results and trends observed are similar to those shown pre-
viously for the PFCA analogues, with the overall yield of shorter chain
breakdown products correlating with the chain length of the starting
compound, the initial concentration of the PFSA and the overall levels of
destruction achieved over time. The quantities of breakdown products
detected in the samples similarly accounted for only a small fraction
(<5%) of the total fluorine from the destroyed PFSA being converted to
shorter chain breakdown products. These findings are consistent with
those of Takeuchi et al. who reported that the localised, high tempera-
tures of the plasma interacting with the gas-liquid interface was the
primary degradation pathway of PFAS which can directly cleave the
carbon-carbon bonds of the molecule and mineralise the perfluoro-
carbon radicals into water-soluble hydrogen fluoride and gaseous car-
bon dioxide and monoxide [48].

As can be seen in Fig. 9 (G, H and I), trace quantities of PFBA at
concentrations at or exceeding the 0.01 pg/L detection limit for the in-
strument were detected forming from the decomposition of PFBS after
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40, 60 and 90 min of plasma treatment when treating initial concen-
trations of 50, 25 and 10 pg/L, respectively, and the concentration
ranged between 0.02 and 0.07 pg/L after the full 120 min of plasma
treatment. The detection of PFBA as a breakdown product from PFBS
during plasma treatment is indicative of a breakdown mechanism
involving the attack of electrons or excited argon ions at the carbon-
sulfur bond resulting in the cleavage of the sulfonate group from the
carbon and a multistep process whereby fluoride is lost from the mole-
cule, and the moiety is replaced with a carboxylic acid group [36].

The breakdown products identified from the plasma treatment of
PFOS, PFHxS and PFBS presented across Fig. 9 consisted only of PFCAs
and the formation of other shorter-chain PFSAs could not be observed in
any of the samples. The formation of these shorter chains, daughter
PFSAs from the decomposition of PFOS or PFHxS has been reported in
the literature; however, that particular reaction mechanism has been
proposed to occur by the reaction between a perfluoroalkyl radical and a
sulfonate radical, as opposed to the removal of a perfluorinated carbon
in preference to the sulfonate group. [36].

3.4. OES spectra discussion

The emission spectra from the argon plasma interacting with the
surface of the liquid was recorded and shown in Fig. 10. Most of the
peaks were associated with the transition of Ar (4p—4 s) from 695 to
860 nm, suggesting the presence of high density metastable Ar(3p°4s).
As well as electrons and Ar ions, metastable Ar species is known to be
highly efficient to enable Penning ionisation and enhance overall
chemical reactivity of the system due to its high energy (11.5 eV) and
relatively long lifetime.

The large OH(A-X) emission band near 309 nm is due to the frag-
mentation and excitation of water molecules at the plasma-liquid
interface by different plasma species. Apart from the predominant role
of high energy electrons, it is worthwhile to note the effective disso-
ciative excitation of water molecules by heavier molecules such as Ar
ions or metastable Ar species [68-70]. It is expected that in the inter-
action with various PFAS molecules, these Ar ions and metastable Ar
species may similarly contribute to enhance the dissociation reaction
through the charge transfer or dissociative excitation mechanism. [47]
In addition, small emission lines consistent with O(3p—3 s) could be
observed at the 777 nm and 845 nm, as well as H, emission at 656 nm
indicating the transition from 3d to 2p state. The OES supports the
presence of various reactive species within the plasma discharge volume
which can lead to the various reductive or oxidative reactions miner-
alising the PFAS molecules as the plasma-liquid interface.
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Fig. 8. Normalised concentration of each of the PFSA during plasma treatment at an initial concentration of 10 ug/L (Left), 25 pg/L (Centre) and 50 ug/L (Right).
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Fig. 9. The concentration of the short-chain PFCAs detected in the liquid samples over time during plasma treatment. PFOS at 50 ug/L (A), 25 pg/L (B), and 10 ug/L
(C), PFHxS at 50 pg/L (D), 25 pg/L (E) and 10 pg/L (F), and PFBS at 50 pg/L (G), 25 pg/L (H), and 10 pg/L (I). Note. The concentration range for the Y axis for the

PFBS plots (G, H and I) are reduced to 0.5 pg/L to allow for products to be visible.

OH

Ar

Emission Intensity (arbitrary units)

A ’
N i
T T T T T T T T
200 300 400 500 600 700 800 900 1000
Wavelength (nm)

Fig. 10. Optical emission spectrum of the plasma discharge as measured from
inside the reactor in the headspace at 200-1000 nm while bubbling argon gas
through the water at a flow rate of 1 L/min.

3.5. PFAS degradation pathways

The generally accepted breakdown mechanism by which plasma can
destroy PFAS directly in water involves the interactions of solvated
electrons and argon radical species, as shown in Table 4. Based on
mechanisms proposed in the literature and the breakdown products
observed in this study, the PFCA likely underwent a several-step, chain-

Table 4

Generalised reaction pathways outlining the degradation pathways for PFOS
and perfluorocarboxylic acids induced by plasma where n is equal number of
carbon atoms of the molecule.

Reaction Pathway Mechanism Reference

Chain Shortening [71,72]
Pathway

(DHEH Cycle)

Ar* + CyFons1C00~ — Ar + CyFans1COO°
CyF2n11CO0° — CpFaq 1 + CO2

CuFoni1 + H20 — CyF2q1OH + H
CyF2n10H + Hy0 — Cp.1Fo, 1COF + F~ + H'
Cp-1F25-1COF + H20 — C.1F2, 1COO™ + F +
2H"

Ar* + CpF2n41COOH — fragment (e.g. CyFy, [47]
CO,, HF, (CF3),,COOH) + Ar

CuFon: 1803 + Ar* — CgF1,80% + Ar + e~
CiF2n1S03 — CyF3n11 + SO3.

CoF3ni1 + H2O = CyF2q 10O~ + H + H
CpFon10™ +Hy0 = Cp1Fo,.1COO™ + 2 HT 4
2F

Ar" Bombardment
Pathway

PFOS Degradation [73,74]
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shortening reaction pathway involving decarboxylation, hydroxylation,
elimination and hydrolysis, known as the DHEH pathway [71].
Following an initial decarboxylation reaction of a PFCA after interaction
with argon radicals and or solvated electrons, an unstable perfluorinated
alcohol (C,Fo,10H) is formed that undergoes hydrogen fluoride (HF)
elimination. The resulting acyl fluoride (C,.1F2,.1COF) is further
hydrolysed by the hydroxyl radicals in the aqueous phase and releases a
second fluoride ion, forming a shorter-chain PFCA (Cp_1F2, 1CO0™).

For the range of PFSAs investigated in this study, the degradation
pathways are expected to follow the same stepwise chain shortening
DHEH cycle shown in Table 4, with an additional initial reaction step,
whereby the sulfonate end group of the PFSA is removed by the
bombardment of high energy radicals at the plasma/liquid interface
which induces the cleavage of the carbon-sulfur bond. The resulting
perfluorocarbon radical is then able to react with water molecules to
replace the sulfonate group with a carboxylic acid functional group
which displaces fluorine ions from the chain and reduces the length of
the molecule by one [73,74].

3.6. Overall breakdown kinetics of PFCA and PFSA

The equation below describes the pseudo-first order breakdown ki-
netics for the range of PFCA and PFSA investigated.

d[PFOX] _

— k|PFOX
dt K{PFOX]

where X is either a sulfonate (S) or carboxylic acid (A) functional group,
and the rate constant k is a complex function of a number of phenomena,
including the surface activity, the available bubble surface area, plasma
input power and the surface renewal of the liquid due to agitation
induced by the bubbles. The data describing the conversion (X) for each
compound shown in Fig. 6 and Fig. 8 were used to calculate the rate
constants equal to the gradient of the line from the linear regression of
—In(1 —X) against time at each concentration investigated. The degra-
dation of each compound followed pseudo-first order breakdown ki-
netics at 10, 25 and 50 pg/L as plotting the logarithm of the
concentrations detected at each time point was found to be a linear
function with respect to time with a high degree of linearity (R?
0.90-0.99). The average rate constants and standard deviations calcu-
lated for each PFCA and PFSA over 120 min of plasma treatment are
presented in Fig. 11 with the numerical values available in the
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Fig. 11. Average rate constants calculated for each compound over the con-
centrations investigated (10 pg/L, 25 pg/L and 50 ug/L) plot against their
respective adsorption coefficients with the standard deviation of the results
presented as the error bars.
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Supplementary Information (Table S2). The rate constants calculated
were proportional to the chain length of the compound at each of the
concentrations trialled, with the degradation rates calculated demon-
strating a linear relationship when comparing the degradation constants
calculated for both the PFCAs and PFSAs investigated.

The rate constants for PFOS at each concentration investigated were
generally the highest out of all the other PFSA and PFCA compounds
investigated, ranging between 1.00 and 1.55 x 10~2 min~'. This was
true for each rate constant calculated, except for PFDA at an initial
concentration of 10 pg/L, which had an exceptionally high rate constant
of 1.67 + 0.13 x 103 min~!. The rate constant for PFDA at this con-
centration was particularly high as it reached an 88% reduction in
concentration after 120 min of plasma treatment compared with only
62%, 21% and no conversion for PFOA, PFHxA and PFBA. This partic-
ularly high degradation has been proposed to be due to the strong sur-
face activity of this compound, with the adsorption coefficient for PFDA
around 60% higher than PFOS at 37 um compared with 23 um [75]. This
allows PFDA to exert a greater decrease in the surface tension of the
solution at lower concentrations compared with other compounds. This
compound’s strong affinity for the gas-liquid interface can be seen in
mixed solutions where PFDA will outcompete other shorter-chain PFCA
and accumulate at the gas-liquid interface in greater abundance [76].

When comparing the rate constants for PFOS degradation calculated
for the prepared solutions at initial concentrations of 10, 25, and 50 pg/
L with those calculated for the degradation of PFOS in the PFAS-
contaminated surface water shown previously under the same experi-
mental conditions, the breakdown rates calculated for the prepared,
individual solutions were found to be much lower, as shown in Fig. 12.
The rate constant calculated for the degradation of PFOS in the
contaminated surface water was an order of magnitude larger at 0.11
+0.01 min~! compared with the values calculated for the single
component solutions, which ranged between 0.01 and 0.016 min'. The
overall trends in conversion for PFOS over time were generally linear at
each of the concentrations investigated over the 120 min plasma treat-
ment and reached a maximum conversion of 70-85% depending on the
initial concentration. In contrast, when plasma treating the contami-
nated surface water, a much higher breakdown of 99% for PFOS could
be reached after only 40 min plasma treatment.

The much higher breakdown rates of PFOS in the contaminated
surface water, which contained 14 other PFAS, compared with the
degradation of PFOS as an individual component in a 300 uS/cm sodium
chloride electrolyte solution is an interesting observation as the rate
constants calculated for compounds in mixed PFAS solutions are typi-
cally lower than in single component solutions due to competitive
adsorption at the gas-liquid interface. [48] Takeuchi et al. reported that
the rate constants for PFOA and PFHpA degradation by directly inter-
facing the plasma within the bubble in a mixed solution at concentra-
tions of 41.4 mg/L and 36.4 mg/L (100 pmol/L of each compound)
decreased by 20% compared with the values calculated when treating
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Fig. 12. Rate constants calculated for the breakdown of PFOS in surface water
(black) and at each of the concentrations investigated (red) after 120 min of
plasma treatment.
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the single component solutions at the same concentrations [48]. The
other PFAS present in the surface water would have reduced the
breakdown rate compared with a single-component solution, and the
PFAS composition was determined not to have resulted in such a marked
increase in the PFOS breakdown rate.

As the conductivity of the electrolyte solution and the surface water
were comparable (300 pS/cm versus 320 uS/cm), the composition of the
cations and anions in the surface water was then considered a possible
cause of the differing breakdown rates. The surface water contained
both monovalent and divalent cations compared with the prepared
electrolyte solution, which only contained monovalent sodium ions.
Therefore, it was hypothesised that the composition and types of ions in
the solution may have increased the overall PFOS degradation rate. The
valency of cations is known to affect the surface activity of PFOA, and
when comparing the air-water interfacial adsorption coefficients for
PFOA in deionised water versus 0.01 M electrolyte solutions of sodium,
potassium and calcium chloride, the adsorption coefficients for each
respective salt solution increased by 7.4, 6.5 and 74 fold [67]. These
results indicate that greater quantities of PFOA can adsorb to the
gas-liquid interface when in the presence of divalent cations compared
with monovalent cations, which would increase the overall transport of
PFOA to the surface to be interfaced with plasma and undergo
destruction.

3.7. Relationship between cation valency and degradation

The presence of divalent calcium ions on the overall PFAS break-
down rate in the non-thermal plasma bubble column was investigated to
experimentally determine if any change in the overall breakdown rate of
PFOA could be observed compared with sodium chloride. Divalent
cations such as calcium have been used as a metallic activator to
enhance the recovery of PFOS and PFOA from dilute aqueous solutions
by foam fractionation, with the presence of the divalent calcium having
a greater improvement in recovery compared with the monovalent po-
tassium [77]. The presence of an electrolyte, particularly those pos-
sessing higher valency, reduces the electrostatic repulsion among the
ionic headgroups at the gas-liquid interface of the bubble and increases
the activity of the hydrophobic tail in solution which results in an in-
crease in the driving force for adsorption to the bubble from the solution
[67,78]. Aqueous solutions of calcium and sodium chloride were pre-
pared to have a conductivity of 300 pS/cm and were similarly spiked
with 50 pg/L of PFOA and treated in the same reactor and experimental
conditions outlined previously. The conductivity of the solutions was
kept constant to ensure the behaviour of the plasma discharge remained
consistent between experiments. The molar concentrations of the so-
dium and calcium chloride solutions were determined to be ~ 2.4 mM
and ~ 1.1 mM, equivalent to 55 ppm and 44 ppm of sodium and calcium
ions present in each respective solution. These concentrations of calcium
would be equivalent to 110 mg/L of CaCO3 which would be considered
moderately hard water (75-150 mg/L of CaCOs) by sanitary standards
or good quality (60-200 mg/L of CaCO3) by the Australian Drinking
Water Guidelines [79,80]. At these levels, the plasma treated water
dosed with calcium will not require any further treatment to remove the
calcium.

When comparing the breakdown of PFOA both prepared to an initial
conductivity of 300 pS/cm using either sodium chloride or calcium
chloride, the overall reduction in PFOA concentration was ~ 10% higher
across nearly every time point, as shown in Fig. 13. As the conductivity
was kept constant between both experiments, the behaviour of the
plasma discharge and overall power consumption was consistent, with
the only difference between the experiments being the type of cation in
the solution.

The recovery of short-chain PFAS (PFBA, PFPeA, PFHxA and PFHpA)
breakdown products and fluoride ions when using calcium chloride
approached 99% in the fluorine balance after 120 min of plasma treat-
ment, whereas using sodium chloride as the electrolyte reached 96%, as
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Fig. 13. Overall fluorine balance present in the short-chain PFAS breakdown
products and fluoride ions detected at each of the time points during the plasma
treatment of a 50 pug/L PFOA in a 300 pS/cm solution prepared with either
calcium chloride (solid fill) or sodium chloride (dashed).

shown in Fig. 13. The overall yields of shorter chain PFCAs detected for
each salt were similar, accounting for 3.4% and 3.6% of the total fluo-
rine in the system after 120 min, while the presence of calcium chloride
showed some increase in the overall mineralisation of PFOA, with
moderate improvements in the range of 10-20% in the quantities of
fluoride ions recovered. The rate constants calculated for the degrada-
tion of PFOA over the 120 min of plasma treatment in the 300 pS/cm
electrolyte solution prepared with sodium chloride or calcium chloride
were determined to be 8.1 x 107> min~! and 8.9 + 0.3 x 1073 min~.
The modest 10% improvement in PFOA breakdown and greater miner-
alisation and recovery of fluoride ions was achieved at concentrations of
only ~ 1% of the electrolyte solutions investigated in Brusseau and Van
Glubt (0.01 M), indicating that even low-level quantities of calcium ions
(44 ppm) can enhance the treatability of surface active PFAS by plasma
treatment [67].

It may be logically proposed that the presence of metallic ions with
an oxidation state of 3", such as aluminium (III) or iron (III) chloride
may further improve the floatation efficiency of PFAS molecules to the
surface due to the larger charge [81]. To maintain these metallic ions at
this oxidation state in water, the pH must be at relatively strong acidic
conditions, < 2.4 for iron (III) or < 4 for aluminium (II); otherwise, the
ions will possess a lower charge according to their respective Pourbaix
diagrams [82]. Adjusting the pH this low requires the addition of a fairly
strong acid, such as hydrochloric or sulfuric acid, which would signifi-
cantly increase the conductivity of the solution which would influence
the behaviour of the plasma discharge and power consumption and
hence the experimental conditions would not be comparable with the
results here. Additionally, in larger scale applications, the use of either
iron or aluminium chloride would incur further operating costs as the
treated water would require chemicals to acidify to a pH below either
2.4 or 4 then neutralisation to between 7.0 and 9.0 for discharge into
sewerage systems [83].

The presence of calcium ions could have also contributed to the
formation of insoluble calcium fluoride (CaF5) due to the precipitation
reaction between calcium and fluoride ions. This technique is commonly
used in water treatment applications to remove fluoride ions from waste
streams containing high fluoride concentrations in the 10's to 100’s of
mg/L range [84,85]. Based on the high fluoride and fluorine recoveries
in Fig. 13 it is unclear if the precipitation of calcium fluoride occurred,
and no cloudiness in the solution or obvious precipitate was observed in
any of the samples. However, the precipitation of fluoride as calcium
fluoride cannot be entirely dismissed and may have occurred in trace
quantities in these experiments. Based on the findings here, calcium
chloride has been proposed as a relatively cheap, environmentally
benign additive for treatment processes relying on the fractionation
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tendencies of PFAS for plasma treatment as used in the treatment reactor
used for these experimental studies or in foam floatation applications.

4. Conclusions

Utilising bubbles to transport PFAS to the surface to be interfaced
with an argon plasma discharge was found to be effective at achieving
degradation of long-chain PFAS (>6 carbons) in prepared solutions and
in contaminated surface water. It was shown that PFCAs and PFSAs
containing > 6 carbons were more amenable to degradation using the
treatment approach as it exploited their surface activity, with their
susceptibility to breakdown correlating with chain length. Concentra-
tion strongly influenced the degradation rate, with breakdown rates
generally decreasing as concentrations in the solutions reached < 5 pg/L
over time during plasma treatment. Based on the trends of the rate
constants calculated for each of the compounds investigated, the rate-
limiting factor in the decomposition of these compounds is, therefore
the availability of PFAS molecules accumulated at the liquid surface at
the liquid-plasma interface.

The rate constants for the degradation of the PFCA and PFSA
investigated were calculated at each of the concentrations and demon-
strated linear trends in the degradation rate with increasing chain length
and exhibited behaviour consistent with a pseudo-first-order kinetic
breakdown mechanism. The shortest chain compounds investigated
PFBA and PFBS were particularly recalcitrant by this plasma treatment
approach due to the low surface activity of these compounds due to the
short length of their perfluorinated chain. The concentration of these
compounds remained either unchanged after 120 min of plasma treat-
ment at each initial concentration trialled or, in the case of PFBS, mar-
ginal reductions of ~ 15% could be achieved after 120 min. Losses of
these short-chain compounds due to the bubbling action and potential
aerosol formation were not observed, nor were there losses observed due
to these compounds sticking to the plastic surfaces of the reactor walls.
Further investigations are required to improve the treatability of the
shorter chain PFAS to address the issue of PFAS contamination in water
more adequately.

The fluorine balance approach quantifying the PFCA breakdown
products by LC-MS/MS and the inorganic fluoride quantified by IC could
account for nearly 100% of the fluorine initially present in the reactor
when plasma treating aqueous PFOA solutions. The formation of short-
chain by-products from the degradation of the PFCA and PFSA
accounted for only < 5% of the initial organofluorine present in the
parent compound, with the remaining ~ 94% of the organofluorine
initially present detected as mineralised fluoride ions in the liquid phase
after 120 min of plasma treatment.

The presence of calcium ions improved PFOA’s breakdown rate and
overall mineralisation compared with the same conductivity of 300 pS/
cm prepared with sodium chloride as the electrolyte. The concentration
of PFOA could be reduced by a further ~ 10% after 120 min of plasma
treatment when treating the 300 pS/cm calcium chloride solution
(66.7%) compared with the sodium chloride solution (60.5%). Calcium
chloride may be used as a cheap, environmentally benign additive to
improve the floatation efficiency of PFAS to the surface for breakdown
by plasma discharge.
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