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ABSTRACT 

ASSESSING THE FEASIBILITY AND MECHANISM OF DESTRUCTIVE 

REMOVAL OF PER- AND POLYFLUOROALKYL SUBSTANCES (PFAS) 

FROM WATER 

 

by 

Kaushik Vinaykumar Londhe 

One of the most pertinent challenges faced by the drinking water community is the 

widespread contamination of per- and polyfluoroalkyl substances (PFAS). These 

anthropogenic chemicals have been ubiquitously used in everyday products such as 

carpets, stain repellents, dyes, shampoos, non-stick cookware as well as in aqueous 

firefighting foams. PFAS are linked with adverse health effects in humans such as thyroid 

disease, obesity, immunological and reproductive disorders and linked to cancer in adults 

and low birth weight and developmental defects in infants. 

Conventional water treatment technologies have proven to be largely ineffective in 

PFAS remediation, due to their extreme stability and resistance to degradation. The overall 

goal of this dissertation is to assess the feasibility and performance of novel destructive 

technologies in treating PFAS. The specific objectives of this study are to: (i) investigate 

the impact of water quality and operating parameters on the treatment of a suite of PFAS 

using two destructive techniques, a) electron beam (e-beam) and b) electrochemical 

oxidation process (eAOP); (ii) elucidate the primary degradation mechanism of PFAS in 

these systems; (iii) differentiate the performance (energy requirements) of these systems in 

treating PFAS isomers; and (iv) develop a novel air-bubbling system to extract PFAS from 

contaminated soils to combine with destructive technologies via a treatment-train 

approach. The effect of chain length and functional group is observed while treating PFAS 

with e-beam technology with the short chain perfluorobutanoic acid and 



 
 

perfluorobutanesulfonic acid showing highest resistance to degradation. This chapter 

additionally highlights previously unknown degradation pathways of PFAS using a 

combination of fluorine mass balance and suspect screening. In eAOP system, the 

composition of supporting electrolyte and anodic voltage did not impact PFAS degradation. 

PFAS degradation strongly correlates with compound hydrophobicity and this study is the 

first to differentiate between degradation and loss in concentration due to the phenomena 

of electrochemical aerosolization of PFAS. Branched PFAS isomers preferentially degrade 

by e-beam treatment but show comparative/poorer removal in an eAOP system, compared 

to their linear forms. Soil washing is studied as a removal approach for PFAS-contaminated 

soils, that can be used as a standalone technique or along with destructive techniques in a 

treatment train system. A novel air-bubbling assisted soil washing system is used to 

investigate the removal of adsorbed PFAS from contaminated soils. The extraction 

efficiency from the soil is found to be inversely proportional to PFAS hydrophobicity, with 

poorest results observed for long chain perfluorodecanoic acid. Results from this 

dissertation (i) identify ideal conditions and energy requirements for the destructive 

removal of PFAS, (ii) highlight the challenges and knowledge gaps for the remediation of 

contaminated soils, and (iii) provide insight into the variable mechanisms of PFAS 

destruction and removal, impacted by the PFAS structure and operating parameters in both 

aqueous and soil matrices. 
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CHAPTER 1 

INTRODUCTION 

 

 

1.1 Objective 

 

The objective of this dissertation is to focus on the treatment technologies employed for 

the remediation of per and poly-fluoroalkyl substances (PFAS) in aqueous and soil 

matrices.  

The first technique studied as a part of this dissertation was electron beam (e-beam) 

technology. The main objective of utilizing this technique was to identify optimal treatment 

parameters while investigating the effects of PFAS structure and effects of sample matrix 

on the degradation process. 

The second technique chosen was electrochemical oxidation (eAOP) by utilizing a 

specialized boron-doped diamond electrode. The main objectives of this technology were 

to investigate the impact of supporting electrolyte, anode potential and PFAS structure on 

the degradation of PFAS.  

Finally, the main objective of the soil-washing process was to design a novel air-

bubbling assisted system to extract PFAS of different chain lengths and functional groups. 

The secondary objective was to study the effect of organic matter, washing solution and 

additives on the extraction process, while studying PFAS compartmentalization.   

 



2 

 

1.2 Background Information 

In 1962, Ludwig Von Drake, in an episode of ‘Walt Disney's Wonderful World of Color’ 

explained why people were actually the biggest challenge facing people these days. He 

further added that because they cause the most problems, without them, there would be 

none. Although nature has tested the very existence of our lives several times over the 

course of mankind’s history, the sheer damage that we, as the ‘smartest’ and most 

‘advanced’ species are causing to both us and the world around us, is both, extreme and 

saddening.  

This is especially true when we look at the pollution caused by human activities 

and its effects on several flora and fauna, as well as the natural balance.  The onset of the 

scientific revolution led to a deeper understanding of the world around us, leading to new 

scientific breakthroughs and discoveries.  Although this greatly improved our quality of 

life and life expectancy,  the ‘use now, worry later’ philosophy , as we are slowly learning 

has led to some devastating and irreversible consequences.  

Access to clean, drinking water is not a luxury, but a fundamental right of every 

human being. Today, about 74% of the world’s population has access to clean water, with 

this number constantly rising.  Through scientific advancements, we have been able to 

design and develop technologies to remove naturally occurring substances such as copper, 

lead, selenium as well as arsenic and mercury.  However, a group of anthrophonic 

chemicals, invented less than a century ago, may prove to be one of our biggest water 

treatment challenges yet.  
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1.2.1 Introduction to PFAS 

Per and polyfluoroalkyl substances (PFAS) are a group of man-made chemicals that were 

first invented in the 1930s. However, these chemicals did not become commercially 

popular and/or manufactured until the 1940-50s. These chemicals have a carbon-carbon 

skeleton with the degree of defluorination varying with the chemical structure. Simply put, 

PFAS can be thought of as having the structure of a common straight chain hydrocarbon 

with a terminal functional group(s) attached at the end and with the C-H bonds replaced 

partially or fully with C-F bonds. This substitution with fluorine, the most electronegative 

element, meant that it greatly changed the physicochemical properties of the parent 

compound. PFAS were found to be highly resistant to chemical and thermal degradation 

and their water-repelling and oil-repelling properties led to their implementation in a 

variety of industrial and military non-stick applications. Teflon, a PFAS commercially 

manufactured by 3M company for DuPont, was used in the Manhattan project during WW2 

to manufacture warheads, liquid-fuel tanks and linings of nuclear bombs.1 The fallout of 

the war led to a focus on widespread manufacture and implementation of PFAS into 

commercial products and applications. Two years after 3M company started producing 

PFAS for DuPont, 3M invented the ScotchGard fabric coating, another iconic brand that 

they went on to coat everything from pans to pants. Teflon and ScotchGard, for their oil 

and water-resistant properties, went on to coat non-stick cookware, upholstery, carpeting, 

clothing etc. However, PFAS had still not achieved its full potential for military 

applications yet.  

In 1967, there was a deadly fire aboard the U.S. Navy aircraft carrier, the USS 

Forrestal. This was caused by the accidental launch of a rocket into loaded fuel tanks and 
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armed planes. This accident destroyed the ship and killed more than 130 people. This led 

to more research into aqueous fire-fighting foams (AFFFs) with PFAS being the primary 

ingredient in the formulations. This foam mixture rapidly extinguished fires and was easy 

to spread, making it highly effective against fires caused by petroleum and flammable-

liquid fires. This led to PFAS-containing AFFFs installed on military and civilian ships as 

well as both airplanes and airports.1  

1.2.2 Fate and Transport of PFAS 

Since the 1960s and 1970s, PFAS have been used ubiquitously in a variety of household, 

industrial and military applications. PFAS have been used in a variety of consumer products 

such as dyes, detergents, plastic and food wrappers, non-stick cookware, carpets and 

upholstery, water-resistant clothing. This has led to the detection of PFAS in several 

environmental compartments such as surface, ground, drinking, ocean and waste waters, 

air, rainwater and soils.2-8 PFAS have been detected in the bodies of humans, oceanic and 

terrestrial animals and birds, plants as far as in the blood of polar bears in the arctic, 

showing the widespread distribution of PFAS.  For humans, there is both direct and indirect 

routes for PFAS exposures through the air we breathe, the water and food we consume and 

through other products that we use such as cosmetics, dyes and detergents. As we learnt 

about the widespread distribution and compartmentalization of PFAS, more and more 

research pointed towards the health effects of these compounds, that raised several 

concerns.  

PFAS are extremely persistent, bioaccumulative and toxic.9 They are linked to a 

variety of immunological and reproductive disorders in humans.10, 11 PFAS are linked to 

kidney and testicular cancers in men as well as increased cholesterol levels and increased 
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risk of high blood pressure or pre-eclampsia in pregnant women.12 PFAS can also cause 

birth defects, including reduction in birth weight and vaccine response in children.12 In 

adults, PFAS are linked to obesity as well as damage to the liver, kidney, thyroid and 

placenta causing disruption of regulatory hormones and metabolic functions.2, 6, 12, 13  

1.2.3 Current Status of PFAS Treatment Technologies 

The treatment technologies currently applied or investigated for PFAS remediation can be 

grouped into two categories, depending on the removal mechanism. Sequestration 

techniques involve physical/chemical separation techniques such as granular activated 

carbon (GACs), ion-exchange resins, (IX), nano/ultrafiltration, reverse osmosis (RO) and 

foam fractionation. These technologies mainly aim to remove PFAS from the source 

matrix, leading to a reduction in PFAS concentrations in the final treated product. 

Techniques such as GACs, IX, and RO have been used in both pilot and full scale 

applications for PFAS removal with the treatment efficiencies ranging from 40-100%.2, 6, 

14-17 The wide range of efficiency can be attributed to the variation of interactions between 

the adsorbent media and PFAS molecules influenced by the structure of the PFAS 

molecules (chain length, functional group, degree of defluorination etc.) that influences the 

removal mechanisms during the process. These sequestration processes are easy to scale 

up, are efficient, can be modified, based on the initial PFAS concentration and distribution 

to achieve excellent removal efficiencies. However, the biggest problem lies when the 

media reaches the end of its life cycle. Utilizing these removal technologies leads to a 

concentrated waste stream that may be several orders of magnitude higher in concentration 

than the recommended levels. This means that the final steps are appropriate treatment 

and/or disposal of such concentrated waste streams that requires careful planning, but also 
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increases capital and operational costs. This is usually done either by incineration or landfill 

disposal, both of which have the potential to release PFAS back into the environment.  

Destructive technologies, on the contrary, aim to breakdown the C-F or the C-C 

bonds present in PFAS molecules, with the ultimate goal of transforming the parent PFAS 

into less toxic, more manageable byproducts. This is done by the production of highly 

unstable, short-lived but reactive radicals that target C-C or C-F bonds present in the 

molecules of PFAS. It is important to note that due to the presence of multiple C-F bonds, 

PFAS are largely resistant to destructive technologies following oxidative pathways. 

Hence, some of the destructive technologies such as DC plasms, advanced reduction 

processes, electron beam (e-beam) focus on breaking down PFAS molecules using a 

reductive pathway.  Other techniques such as electrochemical oxidation, supercritical water 

oxidation, hydrothermal alkaline water treatment involve high temperatures, pressures or 

additional steps prior to PFAS oxidation. The ultimate goal of these techniques is to fully 

convert the poly/perfluoroalkyl substances into inorganic fluorine and CO2. However, it 

should be noted that so far, no technology has achieved this goal. Incomplete degradation 

of the parent PFAS can lead to the formation of known and unknown byproducts that can 

potentially be more toxic and harder to treat. Utilizing destructive technologies, especially 

for PFAS remediation involves high energy demands, driving up the overall treatment 

costs. Thus, more research is needed in the field of destructive treatment of PFAS to be 

able to find a solution to ultimately dispose and solve the PFAS problem.  

For my PhD work, I focused on two advanced oxidation/reduction technologies for 

PFAS remediation in predominantly aqueous matrices.  The first technology I studied was 

electron beam (e-beam) technology. This study was performed in collaboration with the 
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Fermi National Accelerator Laboratory (Fermilab), Batavia, Illinois, utilizing their novel 

accelerator. Prior to actually utilizing the treatment for PFAS remediation, I discovered a 

knowledge gap that existed, specifically on utilizing this technique for PFAS remediation. 

Hence, Chapter 2 of this dissertation is a critical review paper that focuses on the energy 

evaluation of e-beam technology for primarily PFAS treatment.  

Chapter 3 is building on the lessons learnt from Chapter 1, advances in the field 

during that time period to apply e-beam technology for destruction of PFAS of different 

chain length and functional groups, under different water quality and operating parameters 

in aqueous matrices.  

For my next chapter, I was lucky to have been able to use my interest in 

electrochemistry to design and build a two-electrode electrochemical oxidation system. 

Chapter 3 focuses on utilizing this system, with an inactive BDD anode to study the impact 

of PFAS structure, supporting electrolyte and operating parameters for PFAS destruction 

and identify potential degradation mechanisms.  

Chapter 5, interestingly builds on lessons learnt from Chapters 3 and 4 on the 

variation in treatment performance observed for PFAS isomers. This is a critical review 

demonstrating how the behavior of PFAS isomers varies, depending on the choice of 

treatment technologies, for both sequestration and destruction approaches.  

The general consensus along with the data obtained from investigating the two 

destructive technologies for PFAS remediation was that the overall treatment efficiency 

could be enhanced by using a ‘concentrate and destroy; approach, meaning a pre-

concentration step could be utilized prior to ultimate destruction. Thus, for my final 

Chapter (6), I combined a novel technique combining air-bubbling with soil washing to 
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extract and concentrate PFAS from contaminated soil matrices. Figure 1 is a map detailing 

my journey throughout the PhD process.  

 

Figure 1.1 Overall PhD map and chapters for the PhD process.  
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2 CHAPTER 2 

ENERGY EVALUATION OF ELECTRON BEAM TREATMENT OF 

PERFLUOROALKYL SUBSTANCES IN WATER: A CRITICAL REVIEW 
 

 

2.1 Introduction 

 

E-beam accelerators are multipurpose tools that can deliver beams with a large energy span 

and are used in applications that range from fundamental science to industrial processing 

including water treatment, environmental waste remediation, medical sterilization and 

materials processing. It has been historically reported18-22 that radiation treatment is 

suitable to replace advanced oxidation technologies for both water purification and flue 

gases in environmental remediation processes.  

E-beam treatment is unique in that it produces highly oxidizing and reducing 

species at the same time. There is no other advanced oxidation process that has the 

capability of generating as high an overall free radical yield per unit energy input as high 

energy e-beam treatment23. It removes organic impurities with radiation-initiated chemical 

reaction, removes colors by destroying double bonds and removes odors by opening the 

rings of aromatic compounds24. Similarly, this treatment is very effective in disinfection of 

microorganisms due to the ability to destroy DNA, causing chemical dissociation of 

organic matter as well as rupturing cell walls.25 

Multiple efforts have shown the effectiveness of e-beam technology for full scale 

wastewater treatment. In the 1990s, the Miami Dade County municipal waste water 

treatment system demonstrated the capability of e-beams to effectively kill bacteria in 

sludge25. E-beam treatment has been explored by Samsung Heavy Industries (SHI) in 
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Korea since the 1970s. They established a pilot plant for industrial wastewater from dyes 

and petrochemical processes in Taegu Dyeing Industrial Complex.26 Another example is 

the Deer Island Electron Research Facility in Boston, established in 1976 to disinfect 

municipal wastewater effluents and decompose organic pollutants using a 0.8 MeV ICT 

type accelerator18. Similarly, the Takasaki Radiation Research Establishment utilized a 

Cockcroft-Walton accelerator generating 2 MeV electrons to treat 10 mm thick water 

streams.27 

Irradiation of aqueous solutions with e-beam results in the decomposition of water 

molecules and the creation of various reactive species (radiolysis products of water) with 

the greatest number of protons (H+
aq), hydrated electrons (eaq

-), and hydroxyl radicals (OH.) 

produced as compared to other products28. Amongst these, hydrated electrons have shown 

to be critical in the degradation of PFAS due to their high reactivity and high reduction 

potential of -2.9 eV29, 30. eaq
- are primarily responsible for the cleavage of C-F bonds, 

resulting in degradation and defluorination of PFAS compounds, with rate constants31-33 

ranging from 1.7 x 107 to 7 x 107 M-1s-1. The production and abundance of eaq
- can change 

with e-beam operating parameters such as dose, dose rate28 as well as the water quality 

parameters such as pH, dissolved oxygen (DO), and other additives34, 35, affecting the 

decomposition of PFAS. 

To date, very few studies have investigated e-beam treatment for PFAS in aqueous 

solutions. One important challenge in the application and commercialization of e-beam 

technology for water treatment is the high energy demand for its operation. Hence, the 

present study provides a critical review of the recent literature from the perspective of 

energy consumption of e-beam technology to treat PFAS, while highlighting and 
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summarizing operational parameters that influences e-beam performance. In addition, this 

review further discusses opportunities to maximize the efficiency of e-beam technology to 

treat PFAS. 

2.2 Research Questions 
 

1. How to normalize data and compare different e-beam techniques for PFAS treatment? 

2. What are the effects of operating parameters (dose, dose rate) on e-beam treatment of 

contaminants? 

3. What are the effects of water quality parameters (pH, DO, radical scavengers) on e-

beam treatment of PFAS and what are the conditions that have yielded the optimum 

performance? 

4. How does e-beam compare with other destructive techniques utilized for PFAS 

treatment, from an energy perspective? 

 

2.3 Influence of Key Operating Parameters of E-Beam to Treat PFAS 

2.3.1 Dose Rate 

In radiation processing, a commonly used measure is the radiation-chemical yield or the G 

value, defined as the number of molecules of a reactant produced or number of molecules 

of the contaminant degraded per 100 eV of absorbed energy.28 Studies that looked at the 

degradation of PFAS using e-beam used dose rates ranging from 1.58 kGy s-1 to 20 1 36-38. 

Although the dose rate is an inherent parameter of the e-beam technology used, it can 

influence the overall degradation process by affecting the G-value. The radiolysis yield is 

mostly affected by high dose rates which increase the probability of interradical reactions 

in both the medium and the particle tracks. For instance, when oxygenated aqueous phenol 

degradation was investigated39 by lowering the dose rate from 100 to 13 Gy h-1, the overall 
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G-value for phenol increased from 2.6 to 250 molecules per 100 eV. A similar observation 

was made by Pikaev and Shubin40 where high G-values (250-500) were reported for phenol 

with very low dose rates (0.1 Gy s-1). In the case of phenol, the chain reactions causing the 

degradation process are mainly initiated by radicals such as OH. , HO2
., and O2

. –. While 

these reactive species are formed at higher concentrations at high dose rates, they are 

quickly consumed by reactions with other radical species that compete with the target 

contaminant.28  

In the case of PFAS, the eaq
- react with PFAS, leading to formation of unstable PFAS 

radicals31, 37, 38, according to Reactions 1.1 and 1.2 shown for PFOA31 and PFOS 

(Perfluorooctanesulfonic acid) below34. This has been agreed upon as the initiating step of 

PFAS degradation mechanism.  

eaq
- + C7F15COO-  → C7F15COO . 2-      (Reaction 1.1 (k = 1.7 x 107 M-1s-1 - 7 x 107 M-1s-1)) 

eaq
- + C8F17SO3

- → C8F17SO3 . 
2-           (Reaction 1.2 (k = 0.56 x 107 M-1s-1 - 7 x 107 M-1s-1)) 

Similar to the observations made for phenol, the dose rate may influence the steady 

state concentration of hydrated electrons in the system available for reaction with PFAS. 

eaq
- can be consumed by radical-radical combinations with other species such as OH., H+ 

and H. radicals amongst others41 as well as with degradation products such as PFAS 

radicals, eaq
- can also react with itself, although at a slower rate, as shown below. 

eaq
- + OH. → OH-                                                                                         (Reaction 1.3 (k = 3 x 1010 M-1s-1)) 

eaq
- + H+ → H.                                                              (Reaction 1.4 (k = 2.2 x 1010 M-1s-1)) 

eaq
- + H. → H2 + OH-                                                   (Reaction 1.5 (k = 2.5 x 1010 M-1s-1)) 

eaq
- + eaq

- → H2 + OH- + OH.                                           (Reaction 1.6 (k = 5 x 109 M-1s-1)) 
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In the presence of other eaq
- scavenging pathways competing with PFAS 

degradation, an optimal dose rate, which generates both eaq
- and other scavenging radicals 

(Reaction 3-6), should be carefully selected to improve both PFAS degradation and energy 

efficiency. Thus, similar to studies involving other contaminants39, 40, a lower dose rate 

might be preferable for PFAS degradation as it will enhance the abundance of hydrated 

electrons needed to initiate the cleavage of C-F bonds by reducing the reactions 1.3-1.6 

with competing molecules.  

2.3.2 Penetration Depth 

 In addition to the total dose delivered, how the dose is distributed in the target is important. 

The Percent Depth Dose (PDD) curve (Figure 2.1) describes the variation in the delivered 

e-beam dose with sample depth. The useful range of electrons depends on the initial e-

beam energy and the density of the irradiated material. Figure 2.1 shows PDD curves at 6, 

9 and 12 MeV in water. The PDD curve increases to a certain depth, and the depth that 

receives the maximum dose (approximately 100 %) is referred to as Zmax.  Zmax increases 

with an increase in accelerator energy (MeV) capacity.42 Beyond this depth, the PDD curve 

drops rapidly. The intercept of the slope of this portion of the PDD with the x-axis is 

referred to as the “practical range,” Rp
22. This drop in the PDD curve is due to scattering 

and continuous energy loss by incident electrons.42 Beyond the practical range are the 

electrons produced from bremsstrahlung photons that were produced by the initial electron 

beam, referred to as the “bremsstrahlung tail”. The contribution of these electrons is less 

than 5% of the maximum dose.49 Most of the available literature on PFAS uses a small 

sample volume36, 38, 43 (15 to 100 mL) for treatment. As can be seen in Figure 2.1, if the 

depth of solution is controlled appropriately, the change in dose delivered throughout the 
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sample can be minimized. For any e-beam treatment process, the MeV and thus, the Zmax 

is a fixed quantity. Hence, the sample thickness for a batch or a continuous process should 

be chosen in such a way that the depth of the solution undergoing treatment utilizes the 

useful range of electrons.  

 

Figure 2.1 Depth-dose profile of electron beam in water. 

2.3.3. G-Value and Electrical Energy Per Order as Performance Parameters 

Previous studies have utilized e-beam as a potential treatment method to degrade a variety 

of contaminants in drinking water, groundwater, and wastewater.38, 44, 45 However, the vast 

variation in the sampling and operating parameters makes it difficult to compare results 

reported in different e-beam studies. Normalization of the reported data is needed to 

compare and assess trends in the treatment of contaminants using e-beam. G-value is an 

inherent function of dose rate and e-beam accelerator energy, and hence is not an ideal 
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parameter to compare the performance of different e-beam accelerators utilized to degrade 

PFAS in different studies. Electrical energy per order (EE/O) is a quantity defined as the 

energy required for one log removal (90% removal) of a contaminant in a unit volume of 

water. This parameter is typically used to evaluate the energy efficiency of advanced 

oxidation processes (AOP) to degrade a target contaminant46. EE/O is calculated for AOP 

systems using the following equation3, 46: 

 

EE/O (kWh m-3 order -1) = 
𝑃∗ 𝑡 ∗1000

𝑉∗60∗log(
[𝐶]𝑖𝑛

[𝐶]𝑜𝑢𝑡
)
 (1.1) 

  

Where, P is the power (kW), t is the time (min), V is the sample volume (L), Cin is 

the influent concentration and Cout is the effluent concentration of the target contaminant. 

This equation can be modified for e-beam treatment of ‘y’ mL water sample receiving a 

dose of ‘x’ kGy by using unit conversion as follows: 

 

EE/O (kWh m-3 order -1)  = 
𝑥 𝑘𝐺𝑦∗(  

𝑘𝐽

𝑘𝐺𝑦∗𝑘𝑔
∗ 

𝑘𝑔

1000 𝑚𝑙
∗ 𝑦 𝑚𝑙)∗  

𝑘𝑊ℎ

3600 𝑘𝐽

𝑦 𝑚𝑙∗ 
1 𝐿

1000 𝑚𝑙
∗ 

1 𝑐𝑢.𝑚

1000 𝐿
 ∗ log(

[𝐶]𝑖𝑛

[𝐶]𝑜𝑢𝑡
)

 
(1.2) 

EE/O (kWh m-3 order -1) for e-beam = 
𝐷𝑜𝑠𝑒 (𝑘𝐺𝑦)

3.6∗log(
[𝐶]𝑖𝑛

[𝐶]𝑜𝑢𝑡
)
                                (1.3) 

 

Where Dose denotes the dose delivered to the water sample in unit of kGy (kJ-kg-1 

of water). Since, EE/O is based on measurable variables and can be confirmed by 

measuring contaminant log reduction and dose applied, this serves as a ‘normalized’ 
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parameter for comparing data reported in different e-beam studies. This allows for 

researchers and engineers to compare the performance of e-beam technology with other 

destructive technologies for PFAS treatment such as electrochemical oxidation, plasma 

technology, sonolysis amongst others.3 

Figure 2.2 compares G-value and EE/O for different e-beam doses as a function of 

initial PFAS concentration calculated from previous studies. It can be seen that although 

G-values show a linear trend for each initial concentration set, the trends are different and 

influenced largely by the initial PFAS concentration. In comparison, EE/O can better 

normalize the effect of initial concentration and other operating parameters as seen in 

Figure 2.2b. Hence, in the present study, we utilize dose derived EE/O values to critically 

review the performance and the impacts of various operating parameters on the treatment 

of PFAS utilizing e-beam.  

 

Figure 2.2  Calculated (a) G-values and (b) EE/O for a range of initial PFOS 

concentrations in DI water at varying e-beam doses. Data presented here were without 

air-purging and additives (minimal sample modification). Data source.31, 34, 35, 37, 38. 

A comparison of EE/O for the treatment of different contaminants by e-beam is 

shown in Figure 2.3.  In the case of halogenated methanes, as the number of halogens on 
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the carbon atom increases, the EE/O value also proportionally increases. This is due to the 

greater stability of C-Cl bond as compared to C-Br bond. The bond energies of C-F, C-Cl, 

and C-Br are 485, 339, and 276 kJ mol-1, respectively.47 This explains why chloroform 

requires more energy to degrade and has a higher EE/O as compared to bromoform (CHCl3 

vs CHBr3). Based on the bond energies, if the Cl atoms are replaced by F atoms, the EE/O 

values would increase as the C-F bond is harder to breakdown than the C-Cl and the C-Br 

bonds. PFOA and PFOS have 15 and 17 C-F bonds, respectively, imparting exceptionally 

high stability to these compounds. As a result, calculated EE/O values for PFAS (range: 

187-1121 kWh m-3 order -1) are several orders of magnitude higher than in comparison to 

many other contaminants, requiring more energy to breakdown the multiple C-F bonds 

present in PFAS.  
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Figure 2.3  Calculated EE/O values for e-beam treatment of different contaminants at 

neutral pH 28, 35, 37, 38, 41, 44, 48-51. Number within parenthesis represents the number of data 

points used to calculate EE/O and error bars represent standard deviation values.  

 

2.4 Degradation of PFAS in DI Water Using E-Beam 

There are very limited number of studies (n = 6) in literature that focus on the degradation 

and defluorination of PFAS using e-beam31, 34, 35, 37, 38, 52, which is comparatively lower than 

the number of articles published on other destructive techniques such as electrochemical 

oxidation (n = 22), advanced reduction processes (n = 12), photolytic/photochemical 

oxidation (n = 20) and plasma technology (n = 12) based on Web of Science search results 

as of August 2020. Most of the e-beam (n = 5) studies used deionized (DI) water spiked 

with PFAS for treatment whereas some have used synthetic wastewater.52 These studies 
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have focused on the degradation of solely either PFOA52 or PFOS.35, 38 A few of them have 

additionally compared the difference in decomposition of PFOA vs PFOS.31, 36, 37 Owing 

to the high stability of PFAS, previous studies have used a wide range of e-beam doses (10 

kGy to 2000 kGy) to test the degradation of PFAS.31, 34, 35, 37, 38, 52 The initial PFAS 

concentrations tested ranged from 0.1 parts per million (ppm) to 100 ppm, which are 

several orders of magnitude higher than environmentally relevant levels. Different sample 

containers such as heavy glass-walled reactor38, Pyrex glass petri dishes52 and polyethylene 

bags31, 37 were used for sample irradiation with the sample volumes ranging from 10 mL to 

100 mL. In most cases, samples were irradiated in a batch treatment and a conveyor belt 

was used in some cases to move the sample rack for irradiation.36 

Previous studies have reported an increase in the percent degradation of PFAS with 

an increase in applied e-beam dose.34-36, 38, 52 Figure 2.4a summarizes the PFAS degradation 

and calculated EE/O as function of e-beam dose using the data reported in a previous study 

for PFOS treatment in DI water.38 The increase in percent degradation of PFOS with e-

beam dose can be associated with the generation of relatively a greater number of reactive 

species (eaq
 -) formed from water radiolysis at higher doses and successive reaction with 

PFOS 28, 31, 38, 39. It can also be noted that the amount of PFOS degraded, beyond a particular 

dose, is eventually levelled off. However, the calculated EE/O keeps increasing, as 

expected, with the dose applied from 0 to 2000 kGy (Figure 2.4a). This observation 

suggests that at a given treatment condition (initial PFAS concentration, dose rate, and 

water matrix), there exists a ‘threshold dose’ beyond which there is no improvement in the 

PFAS degradation efficiency. Any further increase in the delivered dose beyond this 

threshold dose is not targeted on the PFAS of interest, and hence the efficiency of the 
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treatment process is reduced, as indicated by the increasing EE/O values beyond this point 

(~600 kGy in Figure 2.4a). Although there is an increase in the cumulative generation of 

eaq
 – at higher doses, the reason that threshold dose exists remains to be explored. It might 

be associated with more frequent radical-radical recombination (Reactions 3-6) at a higher 

cumulative dose, thus scavenging the available eaq
 – 

.
35 Another likely explanation is that 

byproducts derived from the target PFAS compound can accumulate in the solution over 

time and might preferentially react with eaq
 –, reducing the abundance of eaq

 –  in the solution 

to react with the target PFAS.  

Previous e-beam studies have also reported that the amount of PFOS degradation 

was inversely related to its initial concentration.35, 37 When the initial concentration varied 

from 0.1 to 100 mg L-1 at a constant dose, the number of molecules of PFOS degraded also 

increased linearly (Figure 2.4b). This trend was observed for both 300 kGy and 2000 kGy. 

At a higher initial concentration, the relative abundance of PFAS molecules increases 

compared to other reactive species (OH., H+ and H. radicals) from water radiolysis. As a 

result, the competition from reactions 3-6 is minimized at higher initial PFAS 

concentrations. 

It can also be noted in Figure 2.4b, that EE/O values are much lower for 300 kGy 

dose compared to 2000 kGy. This observation reiterates the concept of threshold dose: 

where 300 kGy may represent a dose below the threshold dose, while 2000 kGy may 

represent a dose much higher than the threshold dose for this system. Another important 

observation at 300 kGy dose, is that the calculated EE/O values are similar (average EE/O 

value = 329  53 kWh m-3 order -1) for treating 0.1 to 100 ppm of PFOS, i.e., the same 

amount of energy was required to remove 90% of PFOS per unit volume of water. 
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Figure 2.4 a) Variation of calculated EE/O and ΔC, PFOS at initial concentration of 100 

mg L-1 with e-beam dose35, 38 at the same dose rate (1.58 kGy s-1) b) Variation of 

calculated EE/O and Δ C, PFOS with initial concentration at 300 kGy and 2000 kGy and 

at the same dose rate (1.58 kGy s-1). ΔC, PFOS = PFOS initial – PFOS remaining. Error bars 

represent standard deviation.  

In other words, approximately 42, 4.2, and 0.41 mg L-1 of PFOS, representing 90% 

removal, can be degraded for a solution containing 100, 10, and 1 mg L-1 of initial PFOS 

concentration, respectively, at the same e-beam dose of 300 kGy. Hence, the energy 

efficiency of the treatment process can be improved by treating contaminated waters with 

high concentrations of PFAS. Combining e-beam technology with a pre-concentration step 

for treating natural waters (typically exhibiting ng L-1 of initial PFAS) can help to improve 

the overall efficiency of the treatment process. These perspectives, however, are based on 

limited number of papers that have observed the degradation of PFAS, both with e-beam 
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dose and concentration dependence. More research into this area will better elucidate the 

concept of threshold dose and variation in PFAS degradation with initial concentration.  

 

2.5 Influence Of Water Quality and Chemical Additives  

on the Treatment of PFAS Using E-Beam 
 

As observed in Figure 2.3, the EE/O values are higher for PFAS than for other 

contaminants. In order to improve the efficiency of e-beam treatment process, researchers 

have focused on altering the water chemistry with additives. These chemical additives 

mainly focus on promoting the abundance of eaq
-, thus improving the degradation and 

defluorination efficiency.31, 34, 35, 38, 52 

Two of the most commonly tested water quality parameters in e-beam studies are 

pH and DO of the solution. A study done by Ma et al.37  analyzed the degradation of PFOS 

for varying sample pH at a constant dose of 500 kGy.37 With an increase in solution pH, 

the calculated EE/O values show a linear decrease and are the lowest at highly alkaline pH 

conditions (Figure 2.5a). A similar observation was also made by Trojanowicz et al.34, 

where the degradation efficiency of PFOS was shown to increase by 30 % when the 

solution pH was changed from pH 7 to pH 12. One of the proposed explanations by 

Trojanowicz et al34 was the reaction of OH. with OH- at high pH, according to Reaction 

1.7, forming oxide radical ion. This ion can further react with dissolved oxygen in the 

solution, according to Reaction 1.8, forming an ozonide reaction ion.34 
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Figure 2.5 a) Variation of calculated EE/O as a function of initial solution pH for PFOS 

at 500 kGy and constant dose rate (Data source: Ma et al.37); b) Variations of calculated 

EE/O with DO conditions for PFOS (initial concentration of 20 ppm) at 500 kGy dose. 

Note: No purge implies no gas purging to remove DO (ambient levels of DO: 8-10 mg O2 

L-1), O2 saturated assumes oversaturated DO and N2 saturated assumes very low DO. 
(Source: Ma et al. 37). 

OH. + OH - → O. - + H2O                                            (Reaction 1.7 (k = 1.2 x 1010 M-1s-1)) 

O. - + O2 → O3 
. -                                                              (Reaction 1.8 (k = 3 x 109 M-1s-1)) 

Thus, at high pH conditions, abundance of eaq
- is increased due to the scavenging 

of competing species such as OH. and O2
 , that could otherwise react with eaq

- , and this 

results in an increase in the degradation efficiency. At low pH, the abundant H+ ions 

scavenge eaq
- according to Reaction 4, forming hydrogen radicals.34, 37 As the pH increases, 

the abundance of H+ ions in the system is reduced, resulting in an increased availability of 

eaq
- to react with and decompose PFAS. Another mechanism proposed that increases the 
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overall abundance of eaq
- is the reaction of hydrogen radicals, formed as a result of water 

radiolysis, with OH- ions37, as per Reaction 1.9. 

H. + OH - → eaq
- + H2O                                                (Reaction 1.9 (k = 2.1 x 107 M-1s-1)) 

High pH favors this reaction toward more hydrated electron production. However, 

the rate constant for this reaction is nearly three orders of magnitude lower than the 

reactions involving the consumption of eaq
-, indicating that this may not be as significant 

as Reactions 1.3 -1.6 and 1.7, 1.8.  

The levels of DO present in the samples can also affect the overall degradation 

process as seen in Figure 2.5b. The EE/O values decrease with a reduction in DO levels in 

the samples. This can be attributed to the scavenging of eaq
- by oxygen molecules at high 

DO values, according to Reaction 1.10:  

eaq
- + O2

 → O2
-                                                          (Reaction 1.10 (k = 1.9 x 1010 M-1s-1)) 

Multiple studies have thus reported an increase in the overall degradation and 

defluorination efficiency in very low DO samples or in nitrogen or argon saturated 

samples31, 36, 37. The observed improvement in the degradation process is simply attributed 

to the increase in abundance of available eaq
-. In another study53, degradation efficiency of 

PFOS was found to be less than 15 % when the aqueous sample was saturated with N2O
34, 

because the presence of  N2O improves the abundance of OH. by scavenging eaq
-, according 

to Reaction 1.11. This results further confirm that eaq
- are primarily responsible for 

initiating PFAS degradation.  

eaq
- + N2O + H2O → N2 + OH . + OH-         

                  (Reaction 1.11 (k = 9.1 x 109 M-1s-1)) 

Figure 2.6a summarizes the effect of a combination of additives37 on PFAS 

degradation efficiency and calculated EE/O values. It can be inferred that a combination of 
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low DO conditions and high pH yield the best degradation efficiency, based on previous 

studies.36, 38 Interestingly, even with the addition of t-butanol, an OH. radical scavenger, the 

EE/O values for both PFAS and the degradation efficiencies remain fairly constant as 

compared to without t-butanol addition. A justification for possibly adding t-butanol could 

be given with the help of rate constants of PFAS reactions with eaq
- by a study published 

by Trojanowicz et al. 34 Compared to other techniques, the pseudo-first order rate constant 

(k = 0.183 s-1) for PFOS degradation with eaq
-, in the presence of t-butanol, is an order of 

magnitude higher than other conditions reported previously.34 Although the authors 

acknowledge that a detailed discussion was not possible due to the complexity of the 

reactions, the rate constant for the reaction of eaq
- with PFAS increased from 0.56 x 10 7 M-

1s-1 to 3.3 x 10 7 M-1s-1 in presence of t-butanol.28 Thus, even though the EE/O values do 

not significantly increase, the 489 % increase in the rate might justify the use of hydroxyl 

radical scavengers to achieve faster degradation. Effects of other additives such as formate 

ions, sodium thiosulfate, 2-propanol, fulvic acid, alkalinity (as CaCO3) on the degradation 

process have also been assessed.31, 34-36, 38, 52 All these additions were tested in an attempt 

to scavenge competing radicals to improve the reaction of PFAS with eaq
-. This resulted in 

more eaq
- available to react with and degrade PFAS.  As a result, the use of these additives 

improved the overall degradation efficiency and also increased the rate constant of PFAS 

degradation with eaq
-
. 
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Figure 2.6 a) Variation of calculated EE/O and percent degradation of PFOA and PFOS 

with addition of a combination of additives at a constant dose rate and dose of 500 kGy. 

b) Comparison of calculated EE/O values for PFOA and PFOS at 500 kGy with varying 

initial concentrations37 at a constant dose rate.  
Data extracted from Ma et al37. 

Interestingly, a few studies have reported an improvement in overall degradation of 

PFAS with e-beam by addition of nitrate, even though they are known scavenger of eaq
- 31, 

37, 52 according to Reaction 1.12. 31 

NO3
- + eaq

- → NO3
2- .                                                 (Reaction 1.12 (k = 9.7 x 109  M-1s-1)) 

NO3
2- .  + H2O → NO2

 . + 2OH-                                                  (Reaction 1.13 (k = 5.5 x 104  M-1s-1)) 

In spite of the scavenging action of nitrate, a study reported a 122% increase in 

degradation efficiency of PFOA when 10 mg L-1 of nitrate was used.52 This was suspected 

to be due to the production of nitrate radicals (NO3
2- . : redox potential of -1.1 eV) and 
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nitrogen dioxide radicals (NO2 . : redox potential of 1.04 eV31) formed during irradiation 

and that these radicals reacted with PFOA to improve degradation efficiency.52 However, 

this observation is not supported by the fact that the synthetic water used to prepare the 

samples in the study contained other chemicals such as 50 mg-CaCO3 L
-1 alkalinity, 50 µg-

C L-1 DOC from fulvic acid, and 10 mg L-1 of additional background nitrate.52 Also, this is 

unlikely as the formation of nitrogen dioxide radicals is a very slow reaction as compared 

to Reaction 13 and Reactions 3-6. When the effects of nitrate were observed on the 

photolytic decomposition of PFOS in the presence of sulfite54, 30 mg L-1 nitrate did not 

affect the decomposition, and at even higher concentration of 0.6 g L-1, the overall 

decomposition was suppressed. This was attributed to the scavenging of hydrated electrons 

by Reaction 1.12. Trojanowicz et al31. reported an increase in decomposition yield at 10 

mg L-1 of nitrate for gamma and e-beam irradiation.31 Some of the explanations proposed 

for this phenomenon are the slowing down of certain radical-radical combination reactions 

(Reactions 1.3-1.6), increasing the overall abundance of hydrated electrons, and the 

possible generation of a radical with strong reductive properties.31 However, a clear 

explanation to the observed increase in the presence of nitrate ions is still not present and 

this topic needs further investigation.    

 

2.6 Effect of PFAS Structure and Functional Groups 

Although hydrated electrons are responsible for the reactions involving PFAS degradation, 

the overall degradation efficiency can change not only with the chain length but also with 

the functional group.30 In previous studies that compared degradation of C8 PFAS (PFOA 

and PFOS), it was generally observed that under similar conditions, PFOS had a lower 
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degradation efficiency than PFOA.37 This has been attributed to the presence of sulfonate 

terminal group, which is more difficult to oxidize than the carboxylic acid group.37 Bentel 

et al30. theorized that for perfluorosulfonic acids (PFSAs), in general, the degradation is 

highly dependent on the chain length30. It is theorized that the structure of PFSAs, in 

contrast to perfluorocarboxylic acid (PFCAs), limits the process of release of fluoride ions, 

limiting the degradation of the PFSAs. The terminal C-F bond energies in PFCAs (α 

position, adjacent to functional group) are slightly lower than the bond energies in PFSAs, 

leading to relatively higher reactivity of corresponding PFCAs than PFSAs.30 Figure 2.6b 

shows the difference in EE/O values for PFOA and PFOS at a constant dose of 500 kGy 

and with increasing initial concentration.37 The EE/O values show an upward trend as 

expected with an increase in initial concentration; however, PFOS showed more resistance 

to degradation compared to PFOA. PFOS showed 20 – 50 % higher EE/O values compared 

to PFOA for the same initial concentration ranging from 10 ppm to 40 ppm.  

Interestingly, one study reported lower PFOA degradation than PFOS under similar 

conditions.34 At a high pH (12 – 12.5) and at similar doses (26 kGy for PFOA and 28 kGy 

for PFOS), PFOA and PFOS showed 8% and 39% degradation, respectively. At neutral 

(pH 7) and near-neutral pH conditions (pH 6.7), PFOA showed almost no degradation at 

26 kGy whereas PFOS showed 55 % degradation in the presence of t-butanol addition and 

argon purging.31, 34 PFOS exists in the natural environment in linear (L-PFOS) as well as 

branched (br-PFOS) forms. The variation in the distribution of the branched isomers such 

as 1-PFOS, 6-PFOS, 3,5-PFOS, 4,5-PFOS and linear isomers (br-PFOS vs L-PFOS) is 

large.34, 55 A study from Sweden55, 56 reported the percent linear isomers of PFOS in surface 

waters to be 80.5 % and 92.2%, whereas the branched isomers accounted for 19.5% and 
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7.8% in two different samples. In river waters in Norway55, 57, linear isomers accounted for 

24.6-59.5 % of the total PFOS whereas branched isomers accounted for 43.5-75.4%. In 

previous studies that investigated degradation of PFOS by photolytic methods34, 58, L-

PFOS showed lower reaction rate constants (0.098 h-1) than br-PFOS (0.115-0.127 h-1). 

Although it is hypothesized that the difference in rate constants for reductive environments 

(such as e-beam) can vary with water chemistry, branched isomers are theorized to degrade 

much quicker.30, 34 This coupled variance in distribution of L-PFOS vs br-PFOS isomers 

can lead to contrasting results when comparing the degradation of PFOA and PFOS, 

especially if the isomeric contribution to the overall degradation is unaccounted for.   

 

2.7 Kinetic Scheme of PFAS Degradation 

As observed in Figure 2.4a, PFAS degradation efficiency initially increase with an increase 

in delivered dose, but then levels-off after a certain threshold dose. From the energy 

efficiency perspective, e-beam operators will need to maintain their delivered dose less 

than or equal to this threshold dose (for a fixed initial PFAS concentration and water 

matrix) to maximize PFAS degradation efficiency. Here we propose a PFAS radiolysis 

degradation scheme to better understand the dependence of PFAS degradation on e-beam 

dose. Upon e-beam irradiation, the major reactive radical species generated from water 

radiolysis are OH·, eaq
- and H· following the reaction below in units of µmol J-1  59 :   

H2O → [0.28]OH·+ [0.27] eaq
- + [0.06]H·+ [0.07]H2O2 + [0.27]H3O

+ + [0.05]H2 

(Reaction 1.14) 

Since eaq
- are known to initiate the degradation of PFAS, the PFAS reaction is in 

competition with other oxidants for reducing the eaq
- radical. The possible oxidants in the 
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PFAS water system include system oxidant, such as dissolved oxygen (DO), and e-beam 

generated oxidants, such as eaq
- scavenging reactive species (RS) like eaq

− (recombination), 

H+, H·, OH·, and PFAS degradation products introduced to the water system during 

irradiation. Possible scavenging reactions of eaq
- with generated RS in water system follow 

Reactions 3-6 and reactions with degradation products generated from parent compound. 

From these reactions, it can be inferred that the degraded PFAS products, DO, and RS are 

three major sinks of eaq
-, and hence consumption rate of eaq

- can be expressed as shown 

below: 

 

𝑑[𝑒𝑎𝑞
− ]

𝑑𝑡
 = – [𝑒𝑎𝑞

− ] × (𝑘𝑂2
[𝑂2] + 𝑘𝑅𝑆 × [𝑅𝑅𝑆 × 𝛥𝑡] + 𝑘𝑝[𝑃𝐹𝐴𝑆]0) 

(1.4) 

 

 

Where 𝑘𝑝, 𝑘𝑂2
𝑎𝑛𝑑 𝑘𝑅𝑆 are second order rate constants for eaq

- reacting with PFAS, 

DO, and RS, respectively (M-1s-1); [𝑂2]  and [𝑃𝐹𝐴𝑆]0 are initial concentration in mM of 

DO and PFAS, respectively; RRS is the production rate (mM s-1) of eaq
-  scavenging reactive 

species (RS), and [𝑅𝑅𝑆 × 𝛥𝑡] is the concentration of generated RS at irradiation time t. Δt 

is total EB irradiation time (s). The formation of eaq
-  during e-beam irradiation can be 

expressed as: 

𝑑[𝑒𝑎𝑞
− ]

𝑑𝑡
=  𝑅𝐷𝑜𝑠𝑒 × 𝑓𝑒𝑎𝑞

−                                                   (1.5) 
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where, 𝑅𝑑𝑜𝑠𝑒 is e-beam irradiation dose rate (kGy s-1); [𝑓𝑒𝑎𝑞
− ] = 0.27 µmol J-1 is the G 

fraction of eaq
- produced upon e-beam irradiation in the absence of an external catalyst. The 

overall reaction rate of eaq
-  in the system can then be expressed as follows: 

 

 
𝑑[𝑒𝑎𝑞

− ]

𝑑𝑡
 = 𝑅𝐷𝑜𝑠𝑒 × 𝑓𝑒𝑎𝑞

−  – [𝑒𝑎𝑞
− ] × (𝑘𝑂2

[𝑂2] + 𝑘𝑅𝑆 × [𝑅𝑅𝑆 × 𝛥𝑡] + 𝑘𝑝[𝑃𝐹𝐴𝑆]0)      (1.6) 

 

At steady state approximation, 
𝑑[𝑒𝑎𝑞

− ]

𝑑𝑡
  = 0,  

 

[𝑒𝑎𝑞
− ]𝑠𝑠 =

𝑅𝐷𝑜𝑠𝑒×[𝑓𝑒𝑎𝑞
− ]

𝑘𝑂2
[𝑂2]+ 𝑘𝑅𝑆×[𝑅𝑅𝑆×𝛥𝑡]+ 𝑘𝑝[𝑃𝐹𝐴𝑆]0

                                                  
(1.7) 

 

 

Where, [𝑒𝑎𝑞
− ]𝑠𝑠 represents the steady state concentration of eaq

- in the solution. 

PFAS degradation rate can be expressed as follows:  

 

𝑅𝑃𝐹𝐴𝑆 =
𝑑𝐶

𝑑𝑡
= −𝑘𝑝[𝑒𝑎𝑞

− ]𝑆𝑆[𝑃𝐹𝐴𝑆]0                                                  (1.8) 
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Where, 𝑅𝑃𝐹𝐴𝑆 is PFAS degradation rate, dC/dt is the PFAS concentration change 

(mM) over time (t), and [PFAS]0 is the initial PFAS concentration in solution. Substituting 

for [𝑒𝑎𝑞
− ]𝑠𝑠 from Equation 1.7, the rate of PFAS degradation becomes:  

 

𝑑𝐶

𝑑𝑡
= −

𝑘𝑝[𝑃𝐹𝐴𝑆]0𝑅𝐷𝑜𝑠𝑒×[𝑓𝑒𝑎𝑞
− ]

𝑘𝑂2
[𝑂2]+ 𝑘𝑅𝑆×[𝑅𝑅𝑆×𝛥𝑡]+ 𝑘𝑝[𝑃𝐹𝐴𝑆]0

                                                                                         

 

(1.9) 

 

 

At an initial PFAS concentration [𝑃𝐹𝐴𝑆]0, total PFAS degradation (𝛥𝐶) is 

dependent on dose rate (RDose) and irradiation time (𝛥𝑡) as follows:  

 

𝛥𝐶 = −
𝑘𝑝[𝑃𝐹𝐴𝑆]0×𝑅𝐷𝑜𝑠𝑒×𝑓𝑒𝑎𝑞

− ×𝛥𝑡

𝑘𝑂2
[𝑂2]+ 𝑘𝑅𝑆×[𝑅𝑅𝑆×𝛥𝑡]+ 𝑘𝑝[𝑃𝐹𝐴𝑆]0

                                                                                     

 

(1.10) 

 

 

Equation (1.10) represents the kinetic model that explains the dependence of PFAS 

degradation on e-beam operating parameters and water quality. This model was fitted with 

PFOS degradation data from Kim et al.38, with the input parameters as: kO2 = 1.9×1010 M-

1s-1, [𝑂2] = 0.25 mM at ambient conditions at 25 °C, 𝑓𝑒𝑎𝑞
−   = 0.27 µmol J-1,33 and RDose = 

1.58 kGy s-1 .The value of  𝑘𝑃𝐹𝑂𝑆 =  5.1×107 M-1s-1 employed was obtained  from 

Szajdzjnska-Pietek et al.33. The eaq
− scavenging RS could be a combination of system 

generated oxidants and/or competing species in solution including the byproducts of PFAS 
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degradation (e.g., short-chain PFAS derived from long-chain PFAS degradation)35, 37, and 

the rate constant (𝑘𝑅𝑆) and production rate of RS (𝑅𝑅𝑆) would vary depending on the 

reaction system and the water matrix. With the above model input parameters and other 

variables from Kim et. al.38, the combined value of the term 𝑘𝑅𝑆 × 𝑅𝑅𝑆 for the DI water 

matrix was calculated to be 2.65 ×104 s-2  (R2 = 0.993; Figure 2.7a). 

To validate this kinetic model, we simulated the PFOA and PFOS degradation with 

increasing irradiation dose and compared the model output with data sets reported for DI 

water in previous studies (Figure 2.7 b-d). Simulation input parameters were kept the same 

from the above model fitting, and we made the assumption that the PFAS - 𝑒𝑎𝑞
−  rate 

constant (𝑘𝑝)  is similar for both PFOS and PFOA (5.1×107 M-1s-1). If RDose was not 

reported in the study, we combined the term RDose and 𝛥𝑡 to represent the reported e-beam 

dose (kGy). The previously fitted value of 𝑘𝑅𝑆 × 𝑅𝑅𝑆 = 2.65 ×104 s-2 was employed under 

the assumption that the RS would be similar for the DI water matrix. Our simulation output 

matched the reported data well from the other three studies (RMSE = 0.0001-0.0039), 

suggesting that the RS were similar for all these systems in DI water matrix. The kinetic 

model was able to simulate the saturation trend for PFAS degradation with increasing e-

beam dose as observed in Figure 2.7.  
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Figure 2.7 Model fitting with reported experimental data from Kim et al.38 (a)  and 

simulation comparison to reported experimental data35, 37 (b-d) on PFOA and PFOS 

concentration (mM) as a function of irradiation dose (kGy) using Equation 10 at fixed 

DO concentration (0.25 mM) and dose rate (1.58 kGy s-1).  

The kinetic model developed here also helps to explain the effects of DO and pH 

on the degradation of PFAS. Based on Equation 10, we can see that PFAS degradation is 

inversely related to DO concentration, and hence high DO concentration in the solution 

will reduce the PFAS degradation efficiency as explained in Figure 2.5b. At ambient 

conditions, where DO concentration is 0.25 mM, and 𝑘𝑂2  (1.9×1010 M-1s-1) is three orders 

of magnitude higher than 𝑘𝑃 (5.1×107 M-1s-1), we have 𝑘𝑂2
[𝑂2]≫ 𝑘𝑝[𝑃𝐹𝐴𝑆]0. Equation 

10 can then be expressed as shown in Equation 11 below, and a linear relation between the 

amount of PFAS degraded (𝛥𝐶 ) and initial PFAS concentration employed 

([𝑃𝐹𝐴𝑆]0) would be expected, as observed in Figure 2.4b.   
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𝛥𝐶 = −
𝑘𝑝[𝑃𝐹𝐴𝑆]0𝑅𝐷𝑜𝑠𝑒×𝑓𝑒𝑎𝑞

− ×𝛥𝑡

𝑘𝑂2
[𝑂2]+ 𝑘𝑅𝑆×[𝑅𝑅𝑆×𝛥𝑡]

                                                  
(1.11) 

 

As the solution pH increases, it is very likely that aqueous hydrogen radicals will 

be converted to the hydrated electron as shown in Reaction 1.15 below, increasing the 

[𝑒𝑎𝑞
− ]𝑠𝑠 in the solution60. This can help to explain the improved degradation efficiency of 

PFAS at alkaline conditions as shown in Figure 2.5a.  

OH-  + H.  →    eaq
- + H2O                                              (Reaction 1.15 (k = 2.2×107 M-1s-1))  

We expect that the developed kinetic model (Equation 1.11) can help researchers to 

identify the threshold dose and the impacts of water quality parameters for optimizing the 

treatment of PFAS using e-beam.   

Table 2.1  General Trends for Degradation Efficiency of PFAS Using E-Beam 

Influencing parameter Ideal parameter trend for improving 

degradation efficiency 

E-beam dose ↑ 

Dissolved oxygen ↓ 

pH ↑ 

Hydroxyl radical scavengers* ↑ 

* formate ions, t-butanol, 2-propanol 

 

2.8 Feasibility and Limitations of E-Beam Technology for Water Treatment 

Other destructive techniques employed for the treatment of PFAS include photochemical, 

advanced reduction processes (ARPs), electrochemical oxidation, sonolysis, and high-

energy plasma technology. These technologies have been reviewed in detail summarizing 
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their effectiveness for treating PFAS.2, 3, 61  Figure 2.8 summarizes the range of EE/O values 

reported for these destructive techniques and are compared with the calculated EE/O values 

for e-beam treatment.3, 61 E-beam, when combined with the ideal water quality parameters 

(e.g., DO, pH) and additive concentrations gives a range of EE/O values that are 

comparable and, in many cases, much lower than other destructive techniques such as 

activated persulfate, ultrasound as well as electrochemical oxidation. This suggests that e-

beam is a feasible technology from the point of energy consumption to decompose PFAS. 

The EE/O values for e-beam can be enhanced by changing the initial PFAS concentration. 

Based on our discussion of Figure 2.4, it might be more favorable to use high initial 

concentrations of PFAS at an optimized threshold dose with suitable additives, in order to 

get energy efficient conditions for PFAS decomposition. 

 

Figure 2.8  Calculated EE/O values of destructive techniques to treat PFOA with and 

without additives.3, 31, 37, 38, 43, 62 Number within parenthesis represents the number of data 

points used to calculate EE/O. 
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Several studies have proposed a treatment train for destructive techniques to 

enhance the overall efficiency of the process and to reduce the cost of treatment. Some of 

the combinations proposed are nanofiltration/electrochemical anodic oxidation for PFHxA 

(Perfluorohexanoic acid), GAC adsorption/activated persulfate and ion exchange 

resin/electrochemical anodic oxidation for PFOA and PFOS.63 An interesting combination 

proposed for e-beam was activated persulfate. One study showed an increase in the overall 

degradation efficiency in the presence of Na2S2O8.
35

 This improvement could be due to the 

production of more reducing species (SO4 
. –) that reacts with PFAS or the direct cleavage 

of C-F bonds by hydrated electrons in the presence of sulfate ions.35, 63 

However, since e-beam is more efficient at treating higher initial PFAS 

concentrations, a pre-concentration step using adsorbents (e.g., GAC and ion exchange 

resins) or other techniques could improve the overall efficiency of the process. The spent 

adsorbents from pre-concentration step can then either directly be irradiated with e-beam 

or could be extracted using solvents and the resulting concentrated waste stream could be 

treated with e-beam to achieve high energy efficiency as compared to direct treatment of 

water by e-beam. One study employed gas bubbling to enrich PFOA and PFOS at the air-

water interface and then employed Direct current (DC) plasma treatment to decompose 

PFAS within gas bubbles.64 A similar approach can also be utilized in combination with e-

beam. 

Although based on the EE/O values, e-beam shows potential for large-scale water 

treatment applications, there are a few limitations in our calculation of EE/O and to this 

technology. Firstly, the EE/O values calculated here were not based on complete 

defluorination or mineralization of PFAS. Very few studies have reported both the 
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decomposition and the defluorination efficiencies while using e-beam and the 

defluorination values are usually lower than decomposition values. For an initial 

concentration of 20 mg L-1 and at pH 13 and 500 kGy, decomposition37 and defluorination 

efficiencies for PFOA were 88.1 and 37.5% and for PFOS were 63.4 and 51.8%, 

respectively. In a different study at an initial concentration of 1 mg L-1 and at pH 12, with 

argon saturated samples, decomposition34 of PFOS at 28 kGy was 30% and defluorination 

efficiency of PFOS at 112 kGy was 15%. A few studies observed the formation of short-

chain PFAS during the degradation of PFOA and PFOS, confirming incomplete 

defluorination during e-beam treatment.31, 35, 38 Hence, EE/O values reported in this study 

are best-case scenarios and one could expect higher values if complete mineralization of 

PFAS is accounted for.  

Another factor that limits e-beam technology is the energy efficiency of the overall 

process. While dose-based comparison offers advantages over G values for the ability of 

e-beam to break down various compounds in solution, to compare the EE/O values from 

Equation 2.3 with EE/O values of other water treatment techniques, the wall plug power 

efficiency must be considered. If the dose is divided by the wall plug power efficiency, the 

total power used by the accelerator to deliver the dose can be determined. Using an EE/O 

value calculated from the wall plug power would provide for the best comparison of EE/O 

values between e-beam and other technologies. In literature, often the accelerator 

efficiency is not listed, but the effect of the electrons on the target is independent of the 

particular accelerator being used given the same operating parameters such as dose, dose 

rate, and energy. The EE/O values calculated in this paper were based on the delivered dose 

to water and not the overall power consumption of the e-beam accelerator. The energy 
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efficiency of the DC accelerator itself usually ranges from 60 to 80% and for radio 

frequency (RF) linear accelerator systems, the efficiency ranges from 20 to 30%65.  If this 

efficiency is considered in the EE/O calculations, the EE/O values will increase, leading to 

an energy-intensive treatment process. Better and more energy efficient accelerator designs 

will improve this efficiency and lower the overall energy required for the operation of e-

beams.  

E-beam technology has not been widespread to water treatment due to the general 

lack of understanding of the technology, often coupled with comparatively high capital and 

operating costs. Issues with most studies and pilot plants designed for e-beam treatment of 

water are that all use inefficient e-beam accelerators and therefore the operating cost was 

impractical for large scale applications. The 2010 Accelerator for America’s Future report 

revealed a wealth of knowledge amongst the national labs on accelerator technology that 

could be adapted from discovery science to commercial applications.66 The 2015 

Department of Energy sponsored Workshop on Energy and Environmental Applications of 

Accelerators documents the necessity for high-power, high-efficiency e-beam accelerators 

that are economic for high flow rate water treatment.67 Stemming from these workshops 

and reports, the Department of Energy created an accelerator stewardship program that has 

been funding the development of e-beam accelerators for high mass flow rate applications. 

Key to designing the next generation e-beam accelerators is high energy efficiency that 

correlates to reduced operating expenses.  

Typically, the biggest losses of energy are seen in the power supply and the 

accelerating structure when accelerating the beam of electrons from the power source to 

the target. Consequently, the largest developmental efforts have been focused on increasing 
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the efficiency of RF power supplies and decreasing losses in the accelerating structure. 

Some other efforts devoted to minimizing the power loss in connections between major 

accelerator systems will not be discussed. One example is power loss between the beam of 

electrons exiting the accelerator vacuum and uniform deposition to the target. 

Recent efforts to improve RF power supplies targets power efficiency of 80% and 

the ability to supply 1 MW of average power at a capital cost on the order of $1.5 per watt 

of average power68. For instance, this compares to currently available efficiencies of 

klystrons in the range69 of 40-45%. The desire for a cheaper accelerator has pushed much 

of the developmental work towards magnetrons which have been demonstrated at capital 

costs on the order of the desired $1.5 per watt. Other RF power supplies, offering some 

desirable advantages such as increased uptime and decreased maintenance costs, like 

inductive output tubes (IOTs), and solid-state RF power sources, have not seen as much 

developmental work owing to higher installed costs in the range $5-15 per watt. A 2.45 

GHz 1.2 kW CW magnetron70 and a 1.3 GHz 100-kW peak, 10-kW average power 

magnetron71 both recently demonstrated efficiencies above the target of 80%. However, 

these are just proof of principle validations and need to be developed for high powers in 

the range of 1 MW before capital costs can be estimated.  

One of the major advances in reducing power losses in the accelerating structure is 

the use of superconducting materials. Using superconducting materials like niobium, the 

accelerating structure can be nearly lossless.72, 73 In addition to increased energy efficiency, 

the superconducting accelerating structures can handle much higher power allowing for the 

treatment of higher mass flow rates. Conversely, there is a parasitic cost associated with 

the use of cryogens to cool the cavities to liquid helium temperatures. Current industrial 
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accelerators use normal conducting materials and suffer higher inefficiencies because they 

avoid the use of cryogens in order to minimize capital costs. The potential adoption of 

superconducting materials in industrial accelerators has been greatly aided by 

demonstrating the replacement of flowing cryogenic helium with cryocoolers and 

conduction cooling of the superconducting cavities.74, 75 The use of cryocoolers compared 

to flowing liquid helium reduces the capital cost, operating cost and footprint of equipment 

required for an accelerator. 

In the past 5-10 years, there have been great advancements in taking particle 

accelerator technology out of the national labs and developing it from high energy physics 

to an industrial platform. Low power prototypes are currently being built and high power 

(200-250 kW) are thought to be on the order of 5 years from the first prototype. The higher 

efficiency and higher power of these accelerators should open up more application of the 

technology for areas such as environmental remediation and possibly the destruction of 

PFAS. 

 

  



42 

 

TRANSITION 1 

 

Chapter 1 demonstrated how the water quality and the operating parameters could impact 

the abundance of eaq
-. the primary species responsible for PFAS degradation. It also 

emphasized the advantages of using EE/O as a normalizing parameter to compare previous 

studies utilizing e-beam technology. This parameter was also used to juxtapose e-beam 

technology with other destructive technologies currently employed for PFAS remediation. 

The study introduced the concept of ‘threshold dose’ beyond which, for e-beam 

technology applications, the applied dose does not target the contaminant. This study also 

showed that under optimized treatment conditions, e-beam technology can compete with 

other destructive technology currently employed for PFAS destruction, while also stating 

the limitations and knowledge gaps.  

The next chapter uses the lessons learnt from Chapter 1 to actually investigate 

destruction of PFAS using e-beam technology. This was done in collaboration with Fermi 

National Laboratory, Batavia using their novel A2D2 accelerator.  
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3 CHAPTER 3 

 

APPLICATION OF ELECTRON BEAM TECHNOLOGY TO DECOMPOSE 

PER- AND POLYFLUOROALKYL SUBSTANCES IN WATER 
 

 

3.1 Introduction 

E-beam treatment is considered as an advanced oxidation/reduction process due to the 

simultaneous generation of both oxidizing and reducing species. A limited number of 

studies have utilized e-beam to study the degradation of PFAS in aqueous matrices.16, 31, 76-

83 The matrices studied have been deionized (DI) water, synthetic wastewater and 

groundwater81, 84, and the studies have primarily focused on the degradation of PFOA 

and/or PFOS as model compounds16, 31, 78, 80, 82, although a recent study investigated the 

degradation of PFHpA as a single solute.83 The delivered e-beam dose in these studies 

varied from 10 to 2000 kGy (dose rate of 1.58 to 20 kGy s−1) and the initial concentrations 

tested ranged from 0.1 to 400 mg/L or parts-per-million, with experiments primarily 

focused on higher concentrations that may not be environmentally relevant (μg/L or mg/L). 

31, 77-80, 82 One recent study81, 84 investigated the degradation of PFOA and PFOS in 

groundwater and soil matrices with initial concentrations at parts per trillion (ppt) levels at 

e-beam doses of 500 and 2000 kGy. Although this study looked at the degradation of other 

long- and short chain PFAS such as perfluorobutanoic acid (PFBA), perfluoropentanoic 

acid (PFPeA), perfluorobutane sulfonate (PFBS), perfluorononanoic acid (PFNA) as well 

as fluorotelomers such as  6:2 fluorotelomer sulfonate (6:2 FTS) in the soil matrix, the 

study discussed primarily the degradation of PFOA and PFOS in deionized water (DIW) 

and groundwater matrix.81 eaq
- (reduction potential = -2.9 eV)40, 77 have been shown to 

initiate the degradation and defluorination of PFAS by cleavage of the C-F bonds, with rate 
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constants for PFOA and PFOS ranging from 1.7 x 107 to 7 x 107 M-1s-1
.
 31, 77, 80  Degradation 

efficiency of PFAS using e-beam was shown to be impacted by accelerator operating 

parameters such as dose and dose rate as well as water quality parameters such as pH, 

dissolved oxygen (DO), and the presence of other radical scavengers16, as they impact the 

ratio of dominant radical species in the system. Reaction of PFAS with eaq
-  leads to the 

formation of unstable PFAS radicals, according to equations 1 and 2. This is theorized to 

be the first step in degradation of PFAS by eaq
- while using e-beam treatment.31, 77, 78 

The feasibility of e-beam to treat PFAS other than PFOA and PFOS in water still 

remains to be investigated. As natural waters can contain a suite of PFAS85-87, it is also 

important to investigate the degradation (defined as transformation of the parent compound 

into subsequent byproducts) of a mixture of PFAS at environmentally relevant levels in 

source waters. To address this important knowledge gap, in this study, e-beam technology 

was utilized to treat a suite of PFAS in water samples (DI water and groundwater) at 

environmentally relevant levels to assess the effects of various operating and water quality 

parameters on treatment efficiency. Novelty of the present study include the investigation 

of: (i) degradation mechanisms for PFOA and PFOS utilizing a combination of targeted, 

suspect screening and total fluorine analysis; (ii) degradation of a suite of PFAS in real-

world contaminated groundwater samples to observe the effect of sample matrix on PFAS 

degradation trends; and (iii) simultaneous transformation of PFAS precursors in real world 

samples. It was hypothesized that (i) e-beam technology could simultaneously transform 

PFAS precursors, due to the concurrent generation of oxidative radicals, and (ii) 

degradation of PFAS in real world samples would be suppressed due to the scavenging of 

eaq
- by components of groundwater such as natural organic matter, nitrate/nitrites, 
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orthophosphates etc. The corresponding objectives of this study were to (i) test the impacts 

of pH, DO, and coexisting inorganic ions on the performance of e-beam to degrade PFAS, 

(ii) evaluate and compare the degradation and energy requirements of different PFAS as 

single solute and as mixtures, (iii) elucidate the degradation mechanism of PFAS by 

employing a combination of targeted and nontargeted/suspect screening of treated samples, 

and (iv) evaluate the effectiveness of e-beam technology to degrade environmentally 

relevant levels of PFAS in contaminated groundwater samples.  

 

3.2 Research Questions 

1. What are the optimized treatment conditions for PFAS treatment? 

2. How does e-beam perform in treating PFOA, PFOS and what is the effect of increasing 

initial concentration? 

3. What is the effect of chain length and functional group on PFAS degradation for 10 

compounds chosen at a fixed dose ? 

4. What are the degradation trends observed while treating an equimolar PFAS mixture 

with increasing e-beam dose? 

5. How do the degradation trends for PFAS change while treating real world GW 

samples? 

 

3.3 Research Hypotheses 

1. Dissolved oxygen and OH. , H+ radicals will scavenge eaq
-  from the solution, reducing 

their availability to react with PFAS molecules.  Low DO and alkaline conditions will 

be more suitable for PFAS treatment using e-beam technology. 

2. Increasing the dose will enhance reactions between contaminants and reactive species, 

resulting in improved degradation.  
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3. PFOA will degrade more efficiently than PFOS as the carboxylic group in PFOA will 

be  easier to oxidize than the sulfonic group in PFOS78. 

4. Short chain PFBA, PFBS will show highest resistance to degradation due to high BDE 

of C-F bonds due to their compact geometry30. 

5. For the same functional group, the degradation efficiencies will be a function of 

PFAS chain length, with the long chain PFAS showing better degradation 

efficiencies due to higher reactivity with eaq
- and higher susceptibility to degradation. 

 

 

3.4 Materials and Methods 

3.4.1 Sample Preparation  

All chemicals and solvents used in this research were of either certified ACS reagent grade 

or LC/MS with high purity and were purchased from Sigma-Aldrich (USA) and Fisher 

Scientific (USA). Samples were prepared in Stony Brook University in borosilicate glass 

vials or polypropylene jars, depending on the target dosage. Four different sample volumes 

were treated depending on the dimensions of the jars to ensure a constant beam penetration 

depth of 3 cm: 15 mL, 90 mL, 130 mL, and 160 mL. The empty weight of the containers 

was noted before sample preparation. The pH was adjusted by adding NaOH (for pH 10, 

13 samples) or by using HNO3 for pH 4 samples. Four PFAS-spiked samples were prepared 

for each sample set conditions. Three samples in the set were shipped to Fermi Accelerator 

National Laboratory (Fermilab) for e-beam treatment and one sample was retained to 

measure initial concentration of the contaminant prior to treatment. In each batch, control 

samples with known concentration of the contaminants and a sample containing only DIW 

(field and trip blanks) were simultaneously prepared and shipped to Fermilab to account 

for any loss and/or background contamination during shipping and sample processing. 

Samples were weighed before and after treatment to verify sample volume loss (if any).  
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3.4.2 E-Beam Treatment 

Samples were treated in batches using the 9 MeV electron beam accelerator (Accelerator 

Application Development and Demonstration, (A2D2) located at Fermilab (SI). This is 

provided by a repurposed teletherapy linear accelerator that enables proof-of-concept 

studies. Upon receiving the samples at Fermilab, samples were purged with high purity N2 

gas to attain a final DO concentration of 2 mg/L, capped and treated immediately. The dose 

rate was fixed at 1.2 kGy/sec and the e-beam irradiation time determined the applied dose. 

Dosimetry is provided by a NIST certified dosimetry system that is available to 

measure/verify the amount of total dose given to each sample The sample depth in each of 

the containers was carefully chosen (set to 3 cm) to minimize the variation in dose delivered 

by the e-beam. To maximize usefulness of A2D2 beam time, capped samples were treated 

in set of six for each irradiation. For dose uniformity, the samples were placed in a 

revolving hexagonal shaped sample holder. After sample treatment, the samples were 

sealed and were shipped on ice back to Stony Brook University for PFAS analysis. 

3.4.3 Sample Analysis 

E-beam treated samples were diluted (1:1) with methanol to prevent any sorption prior to 

PFAS analysis. An aliquot of the diluted sample was taken out for further dilution (to fall 

within the calibration) and the pH was adjusted to near neutral using 10 % acetic acid. 10 

µL of 100 μg/L isotopically-labeled standards (M2PFOA, MPFOS) were added prior to 

analysis to provide recovery-corrected PFAS concentrations. Samples were analyzed using 

an Agilent 6495B triple quadrupole liquid chromatography tandem mass spectrometer (LC-

MS/MS) equipped with electron spray ionization (ESI). Details about the MRM transitions, 

analyte recovery, LC-MS/MS conditions, and relative percentage differences (RPDs) are 
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provided in Appendix A. Single solute samples post e-beam treatment for PFOA and PFOS 

at an initial concentration of 500 µg/L each were analyzed for total fluorine, inorganic 

fluorine and by high-resolution mass spectrometry (HRMS) suspect screening on an 

Agilent Infinity 1290 liquid chromatograph coupled to an Agilent 6545 quadrupole-time-

of-flight mass spectrometer (LC-QTOF-MS) with negative electrospray ionization (ESI-). 

More details about the QTOF method and sample analysis can be found in SI. The rest of 

the sample was sent to PACE analytical laboratories (Massachusetts, USA) which applied 

TRUE TOF®, that can quantify both total and inorganic fluoride (IF) using two parallel IC 

modules, with the difference yielding the organic fluorine content of the samples.88 Thus, 

the MDLs for organic fluorine (Total – Inorganic fluorine) are 0.005 ppm in trace system 

liquids/DIW and 0.1 ppm in mid-level system liquids/GW, WW.  

 

3.5 Results and Discussion 

3.5.1 Degradation of PFOA and PFOS 

To test the impact of pH and DO, we tested PFOA and PFOS degradation at three pH (4,10 

and 13) and two DO levels (2 and 4 mg/L). More details about DO and pH optimization 

can be found in SI. Conditions such as low DO (2 mg/L) and pH 13 promoted the 

abundance of eaq
- and were hence determined to be optimal conditions for PFOA and PFOS 

degradation. At pH 13 and 2 mg/L DO, the pseudo-first order rate constant for degradation 

for PFOA and PFOS was 4×10−3 kGy−1 and 5×10−3 kGy−1,  respectively. These values 

agreed with previously published rate constants (1.0 -1.9× 10−3 kGy-1 for PFOS and 

5×10−3 kGy−1 for PFOA).31, 76 However, contrary to previous literature78, 82, we did not 
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observe a consistent trend for the degradation of either PFOA or PFOS with increasing pH. 

For PFOS, degradation efficiency ranged from 45–60 % at pH 10 and from 25–70 % at pH 

4. However, pH 13 yielded the highest percent degradation for both PFOA and PFOS. 

Consistent with previous literature, PFOS showed more resistance to degradation (77%) 

compared to PFOA (92%) at the same applied dose of 250 kGy. This is theorized to be due 

to the sulfonate functional group in PFOS being more resistant to oxidation than carboxylic 

group in PFOA.78 

To test the effect of initial concentration on the degradation process, we tested 

PFOA and PFOS as single solute at a concentration of 100 and 500 µg/L at pH 13 and at 2 

mg/L of DO. These are higher than environmentally relevant PFAS concentrations (ng/L) 

and were chosen to identify transformation products and to explore if e-beam technology 

could be used after a pre-concentration step. The degradation of PFOS and PFOA was 

similar for both initial concentrations tested (Figure A1). PFOA showed 93.5 ± 0.7% 

degradation at a dose of 250 kGy and PFOS showed 95.3 ± 5.1% degradation at a dose of 

500 kGy. The overall degradation efficiencies for PFOA and PFOS at e-beam doses of 250-

1000 kGy ranged from 94–99% and 68–98%, respectively. Thus, at alkaline and low DO 

conditions, the efficiency of e-beam treatment was similar for both PFOA and PFOS for a 

wide range (5X) of environmentally relevant concentrations. The water radiolysis reaction 

produces enough eaq
- to react with PFAS molecules even at higher initial concentrations. 

This can be attributed to the dose rate used (1.2 kGy s-1) in this study, which is amongst the 

lowest compared to previous studies (1.58 - 20 kGy s-1) that have utilized e-beam treatment 

of PFAS. As eaq
- are primarily responsible for PFAS degradation, a lower dose rate favors 

their abundance in the solution as inter-radical reactions, that can scavenge eaq
-  , are 
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reduced at lower dose rates.40, 89 These results suggested that the degradation of PFAS at 

tested concentrations of up to 500 µg/L is rather limited by the competition between PFAS 

molecules and other water radiolysis products that act as eaq
-  scavengers (e.g., H+, OH. 

etc.). This competition is minimized by increasing the number of PFAS molecules with 

higher initial concentrations, favoring the reaction between eaq
-  and PFAS over other 

scavengers.16 This can be explained by the fact that 90% removal of 100 µg/L and 500 µg/L 

initial concentration represents a reduction of 90 µg/L and 450 µg/L of PFAS after 

treatment. Thus, based on these findings, a ‘concentrate and destroy’ approach16, 90 that 

employs a pre-concentration step followed by e-beam treatment would result in less energy 

consumption.  

3.5.2 Mass Balance and Transformation Products of PFOA and PFOS Treatment 

As e-beam doses increase, 90% degradation of PFOA was observed at doses ≥250 kGy, as 

shown in Figure 3.1a. The fraction of inorganic fluorine also increased with the dose 

applied (Figure 3.1c), with the inorganic fluorine accounting for 70% of the total fluorine 

content in the sample at 1000 kGy. It is important to note that the inorganic fluorine fraction 

can be correlated to the defluorination percentage, for these calculations. This indicates 

that, for PFOA, although complete degradation is observed at 250 kGy, defluorination of 

resulting byproducts continues to occur with increasing e-beam dose. Interestingly, 30% of 

the total fluorine at 1000 kGy consists of organic fluorine, suggesting the formation of 

recalcitrant transformation products (shorter chain PFCAs, polyfluorinated PFAS, ethers 

etc.) of PFOA. This is supported by the detection of short chain perfluoroalkyl carboxylates 

(PFCAs) such as PFHpA, PFHxA, PFPeA and PFBA by both our analytical instrument as 

well as previous studies31, 78, 91 as well as attributed to formation of H-substituted 
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polyfluorinated byproducts detected for PFOA degradation using e-beam technology. 

However, for PFOA, the short chain C4-C7 PFCAs accounted for <5% of the initial PFAS 

mass balance although >90% degradation efficiency was obtained.  

 

Figure 3.1 Percent degradation and normalized total fluorine fraction for PFOA (a, c) and 

PFOS (b, d) with increasing e-beam doses. Initial concentration: 500 µg/L, pH: 13, DO: 

2mg/L. ‘Initial’ in panel c, d denotes untreated samples. Error bars represent variation 

observed from triplicate samples. 

At 250 kGy the degradation efficiency of PFOS is 68%, with the inorganic fluorine 

fraction accounting for 75% of total fluorine. As e-beam dose increases, >90% degradation 

of PFOS is observed for doses ≥500 kGy. Simultaneously, the inorganic fluorine fraction 

increases with increasing e-beam doses, with 100% of total fluorine at 1000 kGy attributed 

to inorganic fluorine. This suggests that at 1000 kGy, there is complete defluorination of 

PFOS. This is additionally supported by the data obtained from LC-MS/MS, which did not 

show any detection of short chain PFAS. Compared to our results, previous studies detected 

measurable short chain PFCAs, alkylated and H-substituted PFOS, perfluoroalkyl 
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sulfonates (PFSAs) and PFOA78, 80, 91 for PFOS degradation using gamma or e-beam 

irradiation. This could be attributed to the high doses (up to 1000 kGy) and low dose rate 

(1.2 kGy/sec) used in the current study that allowed for more eaq
- -PFAS reactions, leading 

to a degradation of both parent compound and transformation products. This, in 

combination with the inorganic fluorine accounting for 100% of the total fluorine at 1000 

kGy suggested that the PFOS byproducts were not as stable as PFOA byproducts.  

 

Figure 3.2 Proposed degradation pathways with detectable byproducts for (a) PFOA and 

(b) PFOS degradation using non-target/suspect screening. Initial concentration: 500 μg/L, 

pH: 13, DO: 2mg/L, dose range: 250-1000 kGy. Primary and secondary pathways yielded 

degradation products, consistent with previous studies; novel pathway indicates new 

byproducts detected in current study; proposed pathway indicates undetected products 

hypothesized to have formed during degradation.  

To further understand the degradation mechanisms, we performed HRMS suspect 

screening of PFOA and PFOS treated samples. For PFOA, short chain PFCAs such as 

PFBA, PFPeA, PFHxA and PFHpA were detected during suspect screening, consistent 

with data from our targeted analysis and published in previous studies.32, 78, 91, 92 This can 
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be explained by the mechanisms proposed in a recent study for PFCA degradation with eaq
- 

using a UV system.30, 93 This is hypothesized to occur by a stepwise reaction pathway 

termed decarboxylation – hydroxylation-elimination-hydrolysis (DHEH).29, 30 During 

DHEH, a CO2  moiety is cleaved, resulting in the formation of a free radical (CnF2n+1COO- 

→ CnF2n+1
.). This is the decarboxylation step (Figure 3.2), which is followed by a 

hydroxylation step, resulting in an addition of OH group to the free radical (CnF2n+1−OH). 

PFAS-alcohols are usually unstable and thus undergo an HF elimination to form an acyl 

fluoride that can undergo hydrolysis to form a shorter chain PFCA (Cn−1F2n-1−COO-).30, 93 

This cycle can repeat and can form shorter chain PFAS such as PFBA, PFPeA, and PFHxA 

as byproducts of PFOA degradation. Interestingly, we also tentatively identified an 

unequivocal molecular formula (C8 H2 F16 O4 S) that may be an H-substituted PFSA ether 

in PFOA samples, suggesting that post HF elimination, formation of PFAS ethers may be 

a possible secondary reaction (Figure 3.2). This could occur from a combination of 

resulting PFAS radicals with each other rather than hydroxylation in Step 1b (Figure 3.2a).  

It was interesting to note that increasing e-beam doses decreased the relative abundance of 

short chain PFCAs, indicating that with increased e-beam doses, reactions of short chain 

PFCAs and eaq
- occurred, resulting in their degradation.  

Suspect screening data also tentatively identified H-substituted PFOA, and PFPeA, 

suggesting a secondary degradation pathway for PFOA other than DHEH. The C-F bond 

on the α position for PFOA has the lowest bond-disassociation energy30, leading to an 

attack by eaq
- . This leads to an H/F exchange at the α position, weakening the neighboring 

C-F bonds and making the C-F more prone to H/F exchange. This explains the detection 

of multiple H-substituted PFOA, PFPeA and PFHpA by non-target analysis. However, the 
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lower abundance (~70–96%) of C4-C7 H-substituted PFCAs compared to the C4-C7 

PFCAs indicates that DHEH is the dominant degradation mechanism that initiates PFOA 

degradation using e-beam. DHEH as a favorable PFOA degradation pathway was also 

confirmed by another study that used q-SAR data to elucidate feasible pathways for PFOA 

degradation.30, 94 

For PFOS, unsaturated PFOS (U-PFOS) and subsequent C4-C7 H-PFSAs were 

detected in the samples post e-beam irradiation. The α C-F bonds in PFSAs do not 

necessarily have the lowest BDE, as indicated by a recent study30. This means that the H/F 

exchange at PFOS can occur at the lowest BDE position, away from the functional group, 

resulting in multiple H/F exchanges across the C-C skeleton. Multiple H/F exchanges could 

weaken the overall chemical stability of the parent compound, making it more susceptible 

to attack by both oxidative and reductive species that are abundantly formed during water 

radiolysis. This could lead to a C-H bond breaking for PFOS, via a chain snipping 

mechanism (Figure 3.2b), resulting in the formation for U-PFOS. However, it is 

hypothesized that for short chain PFSAs, multiple H/F exchanges away from the functional 

group could result in a chain zipping reaction, through an oxidative pathway, resulting in 

the formation of short chain PFSAs by attacking the weakened C-C bond. The H/F 

exchange cycle repeats and forms both H/F substituted PFSAs and short chain PFSAs 

subsequently. These H/F exchanges can also result in hydrolysis reaction, forming unstable 

telomeric alcohol C7F15 – CF2 –  OH, which can transform to PFOA, which was detected 

with suspect screening. The PFOA can follow the pathway described above for PFOA 

degradation, resulting in the formation of H-substituted PFCAs and PFCAs, as detected by 

suspect screening.  
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3.5.3 Degradation of PFOS Isomers 

Changes in the chemical structure results in variation in the physicochemical properties of 

PFAS isomers.6 This can result in a variation in removal efficiencies for both sequestration 

and destructive technologies for linear and branched PFAS.  L-PFAS are generally more 

sorptive but also more resistant to destructive technologies, whereas br-PFAS are more 

easily degraded but are less sorptive towards sequestration techniques.6 Our analytical 

methods were able to differentiate between linear and different branched forms of PFOS. 

For this study, we combine and refer to all the branched isomers of PFOS collectively as 

Σbr-PFOS. Irrespective of the solution pH, Σbr-PFOS consistently showed a higher 

degradation percentage than L-PFOS. Interestingly, although br-PFOS showed ~90% 

degradation efficiency at pH 4, 10 (Figure A3), degradation of PFOS (total) is hindered due 

to the higher contribution and lower percent degradation of L-PFOS (Figure A3). br-PFOS 

is less resistant to degradation due to higher electron affinity on the tertiary carbon, making 

it more susceptible to eaq
-
  attack, compared to L-PFOS.54, 80 This is consistent with previous 

studies utilizing other destructive techniques54, 95 that have observed better degradation of 

Σbr-PFOS than L-PFOS.  However, at pH 13, presence of abundant eaq
-
  increases the 

number of reactions between eaq
-
  and L-PFOS, improving the degradation efficiency of L-

PFOS (>90%) and consequently of PFOS (total). It is important to consider the isomeric 

impact on PFAS degradation in natural waters as this could impact the degradation 

efficiency of PFAS (total) due to the differences in isomeric behavior observed for 

destructive techniques.6 
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3.5.4 Impact of PFAS Chain Length and Functional Group on Degradation 

Efficiency. 

 

 

Figure 3.3  Percent degradation of PFCAs and PFSAs of different chain lengths and 6:2 

FTS at a fixed dose of 250 kGy in single solute samples. Initial concentration of 

individual PFAS: 100 µg/L, pH = 13, DO: 2 mg/L. Error bars represent variation 

observed from triplicate samples and analytical replicates.  

Previous studies have focused on the e-beam treatment of predominantly PFOA and PFOS 

under different water quality and operating parameters.16, 31, 76, 78, 80 However, the impact of 

functional groups, polyfluoro compounds (e.g., FTS) and chain length on the overall 

treatment process still remains unknown. To this regard, we tested eight other PFAS of 

carbon chain length ranging from 3 to 9, individually at 250 kGy and using pH (13) and 

DO conditions (~2 mg/L). These included PFCAs such as PFBA, PFPeA, PFHxA, PFHpA, 

PFNA and PFSAs such as PFBS, PFHxS and one fluorotelomer sulfonate (6:2 FTS).  
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In Figure 3.3, similar degradation for both PFCAs and PFSAs was observed for 

carbon chain length of greater than five (PFPeA, PFHxA, PFHxS, PFHpA, PFOA, PFOS 

and PFNA). Between the 10 PFAS studied, there was no correlation observed between 

PFAS degradation and the chain length, under the tested conditions (p value = 0.52). The 

percent degradation values for PFOA, PFHpA, PFHxA, and PFPeA were 95 ± 0.02%, 97 

± 1.1%, 93 ± 13% and 98 ± 0.02%, respectively. The average percent degradation of PFNA 

was slightly lower at 77% with a higher standard deviation of 21.5%. The degradation 

percentage observed for PFHxS and PFOS were 86 ± 5.7% and 77± 4%, respectively. 6:2 

FTS showed 96% degradation although the total carbon chain length is eight (six carbons 

are perflourinated and two carbons are hydrogenated). This makes 6:2 FTS degradation by 

both eaq
-
  and OH. possible as the simultaneously generated OH. can attack the C-H bonds, 

as demonstrated by previous studies that have utilized OH. radicals to degrade 6:2 FTS in 

a total oxidizable precursor (TOP) assay.96,97 This further confirms that the C-F bonds are 

the limiting factor for the degradation via reaction with eaq
-
 . 

At 250 kGy, both PFBA and PFBS showed the lowest degradation efficiencies, with 

~14% observed for PFBA and no degradation observed for PFBS. Although a clear 

explanation for this phenomenon is unknown, this is hypothesized to be due to the compact 

geometry of C4 PFCA and PFSA and higher bond dissociation energy of the C-F bonds in 

the short chain PFAS.30 A similar observation was made in another study that generated eaq
-
   

using UV-sulfite process to treat AFFF mixtures. PFBS and perfluoro-1-propanesulfonate 

(PFPrS) remained unreactive after 4 hours of treatment compared to PFPeS, PFHxS, and 

PFOS.98 This was hypothesized to be due to increased reactivity of eaq
-
 with increasing 

chain length. However, in contradiction to our findings, under same conditions, reactivity 
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of PFCAs was observed to be similar irrespective of chain length for PFBA, PFHxA, 

PFHpA and PFOA.98 To improve the degradation of PFBA and PFBS, we tested single 

solute samples at 100 µg/L initial concentration at an elevated e-beam dose of 1000 kGy. 

Samples were tested with and without the addition of 0.2 M t-butanol, an OH. radical 

scavenger, which was added to promote the degradation of PFBA and PFBS by increasing 

the abundance of eaq
- in solution. We observed an average of 99% removal of PFBA and 

72% removal of PFBS for samples at pH 13 without the addition of t-butanol. Contrary to 

previous studies32, 80, samples with t-butanol addition performed relatively poorly with an 

average degradation of 34% and 13% observed for PFBA and PFBS, respectively, 

suggesting that more reaction time and/or energy is required to break down these short-

chain molecules.  

Electrical energy per order (EE/O) is a quantity defined as the energy required for 

one log removal (90% removal) of a contaminant in a unit volume of water. This parameter 

is typically used to evaluate the energy efficiency of advanced oxidation processes (AOP) 

to degrade a target contaminant.46 This normalizing parameter enables comparisons 

between destructive techniques that have been utilized to treat contaminants. Figure 3.3 

data was used to calculate the EE/O values in kWh/m3/order according to equation derived 

in our previous study.16 As the EE/O values ranged between 45 and 503 kWh/m3/order, 

with 6:2 FTS showing the lowest EE/O value of 48.6 kWh/m3/order (Table A7). For PFOA 

and PFOS, the calculated EE/O values ranged from 53–140 and 108–155 kWh/m3/order 

respectively, which are comparable to EE/O values calculated using data from previous 

studies that focused on e-beam treatment.6  EE/O values were calculated at 1000 kGy for 

PFBA and PFBS as no degradation of PFBS and only 13% was observed at 250 kGy (Table 
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A7). At 1000 kGy, the EE/O value for PFBA and PFBS was 139 and 503 kWh/m3/order, 

respectively. These results suggested that the levels and regulatory landscape of short chain 

PFAS will determine the efficiency and energy consumption of e-beam treatment of PFAS. 

3.5.5 E-Beam Treatment of PFAS Mixtures 

To assess competitive reactivity of PFAS in mixtures, we treated equimolar mixture of 10 

PFAS (0.05 μM each) at optimized treatment conditions (pH 13, 2 mg/L DO) with varying 

e-beam doses ranging from 125 kGy to 1000 kGy. The corresponding mass concentrations 

of PFAS in the equimolar mixture were: PFBA=10.7 μg/L, PFBS=15 μg/L, PFPeA=13.2 

μg/L, PFHxA=15.7 μg/L, PFHxS= 25 μg/L, PFOA=20.7 μg/L, PFOS=25 μg/L, 

PFNA=23.2 μg/L and 6:2 FTS=21.4 μg/L.  

 

Figure 3.4 (a) Total PFAS degradation (µM) and degradation (C/C0) of individual PFAS 

grouped according to chain length: b) 6-8; c) 5-6; d) 3-4, as a function of e-beam dose. 

Initial concentration of equimolar mixture of PFAS was 0.05 μM treated at pH 13 and 

DO of 2 mg/L. Error bars represent standard deviation of triplicate treatment. 

6:2 FTS showed the highest degradation with ~ 80% degradation observed at 125 

kGy (Figure 3.4b) and ~90% at 250 kGy. PFNA and PFOS showed final degradation 

efficiencies (at 1000 kGy) of ~60 and 50%, respectively while the degradation of PFOA 

was ~15 % at 250 kGy and plateaued at 30% after 500 kGy of dose. No degradation was 

observed for PFBS, with the C/C0 remaining constant at ~1, whereas the C/C0 for PFBA 
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increased with increasing dose and reached ~35% increase in concentration at 1000 kGy. 

Interestingly, C/C0 value was ~1 at 1000 kGy for PFHxA, while ~27% degradation of 

PFHxS was observed at 1000 kGy, suggesting the formation of C6 carboxylates during 

treatment and not sulfonates.   

For PFOA and PFOS, data obtained for mixture treatment was contrary to data 

obtained in single solute samples where both PFOS and PFOA showed >90% degradation 

at 500 kGy. PFOA showed a lower degradation efficiency than PFOS (~30 % for PFOA vs 

55 % for PFOS at 1000 kGy). Although the exact reasons are unknown, this could be due 

to formation of PFOA from PFNA degradation via the DHEH mechanism.  Complete 

degradation of 6:2 FTS compared to PFHpA suggests that polyfluorinated compounds are 

more reactive and undergo transformation easily compared to perfluorinated compounds. 

PFHxS was degraded better than PFHpA and PFHxA in equimolar mixtures (Figure 3.4c) 

although a similar degradation efficiency was observed for them in single solute samples 

(Figure 3.3). This could be due to simultaneous degradation and formation of PFHxA and 

PFHpA from the degradation of longer chain PFCAs. Previous studies that have utilized 

eaq
- to degrade PFAS have detected short chain PFCAs as a byproduct of longer chain PFCA 

and in some cases, PFSA degradation.30, 31, 77, 78, 80, 91 Interestingly short chain PFCAs were 

detected as a byproduct of PFSA degradation but the formation of short chain PFSAs was 

not reported. This can be elucidated by the degradation mechanisms proposed in the earlier 

section. For PFCAs, degradation can occur by either H/F exchange or by DHEH, the latter 

of which can cause the formation of short chain PFCAs. In PFSAs however, short chain 

PFCAs can be formed as a result of the C-S bond breakage, followed by DHEH.30  
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While looking at C4-C7 PFCAs, it is also important to consider the byproducts of 

6:2 FTS degradation. The e-beam technique, being an advanced oxidation-reduction 

process16, can generate both eaq
- and OH. 

 capable of transforming 6:2 FTS into short chain 

PFCAs. 97 In single solute samples, 6:2 FTS was completely degraded at 250 kGy of e-

beam dose (Figure 3.3), forming detectable byproducts such as PFHpA, PFHxA, PFPeA 

and PFBA, with an overall molar yield of ~37%. This is lower than the molar yield we 

obtained for transformation of 6:2 FTS by OH. using TOP assay (65-75%), consistent with 

data reported in previous literature.97 The depression in molar yield using e-beam, in spite 

of complete degradation of 6:2 FTS could be attributed to the simultaneous reactions of 

6:2 FTS and its transformation byproducts (short chain PFCAs) with OH. and eaq
-, formed 

during e-beam treatment. While utilizing TOP assay, these byproducts remain unreactive 

towards OH radicals as OH. is incapable of reducing them.  

This lends further credence while observing the degradation of PFBA and PFPeA. 

C/Co values for PFBA showed an increasing trend with increasing e-beam dose (Figure 

3.4d). Compared to other PFCAs, PFBA showed significantly lower degradation efficiency 

in single solute mixtures. Thus, in case of PFBA and possibly PFPeA in a mixture, 

formation from the degradation of longer chain PFCAs and 6:2 FTS has a higher 

contribution than the degradation process, thus elevating the final C/Co value observed at 

1000 kGy to ~1.3 and 1.1, respectively. Unsurprisingly, for PFBS, no degradation was 

observed in the PFAS mixture, suggesting both competing effects of other PFAS and also 

the relative stability of PFBS contribute to lack of degradation. This experiment confirmed 

that there is competition between PFAS analytes for reaction with eaq
- and reaction kinetics 
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may vary with perflourinated chain-length, the degree of fluorination in the carbon chain, 

functional group, and the presence of highly reactive intermediates. 

3.5.6 E-Beam Treatment of Contaminated Groundwater Samples 

Three PFAS - contaminated groundwater samples (GW1, GW2, and GW3) were collected 

from two different US states to treat using optimized e-beam conditions (Table A5). GW 

samples contained known precursors such as 4:2 FTS, 6:2 FTS and 8:2 FTS detectable but 

can also encompass the unknown precursors that are beyond the capability of our 

instrument. Thus, prior to the e-beam treatment of these GW samples, we performed TOP 

assay (method details can be found in Appendix A) to assess the presence of oxidizable 

PFAS precursors (Table A6). We observed an increase in concentrations of PFCAs as a 

result of TOP assay of GW samples. PFBA level increased by ~990% and 215% for GWs 

1 and 3, respectively. The concentration of PFPeA (~225 and 98%) and PFHxA (~77 and 

136%) showed a similar increasing trend for GWs 1 and 3 respectively , while the FTSs 

present in the GW samples were completely oxidized, post TOP assay. The yield of PFCAs 

were much higher in GW samples than the typical yield observed for FTSs after TOP assay, 

suggesting and confirming the presence of other unknown precursors in GW samples.  

To assess if PFAS precursors were transformed during e-beam treatment, we 

performed TOP assay on treated GW1 and GW3 samples (dose = 250 kGy) (Figure A4). 

Unlike untreated GW samples, the treated samples did not yield an increase in PFCA levels, 

with the concentrations of PFCAs before and after TOP assay were statistically indifferent 

(p values = 0.6 and for GW1 at both 250,750 kGy). This confirms that e-beam technology, 

even at the lowest dose utilized for treatment, is capable of completely degrading PFAS 

precursors present in the GWs.  
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Figure 3.5  Degradation of PFAS in three different GW matrices treated at 250 and 750 

kGy. Error bars represent standard deviation of triplicate treatments.  

The total initial concentration of PFAS (ΣPFAS) was 18.8 µg/L for GW1 (for 14 

detected PFAS), 2.2 µg/L for GW2 (for 10 detected PFAS), and 18.2 µg/L for GW3 (for 17 

detected PFAS). GW1 and GW3 showed similar degradation trends with increasing e-beam 

dose, with 36% and 23% degradation, respectively, observed at 750 kGy (Figure 3.5). The 

percent degradation value for combined PFAS for GW2 matrix was ~70% at 250 kGy and 

remained similar at 750 kGy.  The lack of complete removal of PFAS at <500 kGy in GW 

samples was similar to the data observed for the treatment of equimolar PFAS in DI water.   

6:2 FTS consistently showed the highest removal with 75–98 % degradation 

observed for GW matrices. The lack of complete degradation of 6:2 FTS can be attributed 

to both matrix effects and competitive effects as complete degradation was observed for 

6:2 FTS as single solute and in mixtures in DI water at doses <500 kGy. After 6:2 FTS, 

PFOS (25 – 80%), PFHxS (30 – 65%), and PFOA (15 – 54%) showed the highest 
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degradation and these were similar to what was observed for the treatment of equimolar 

mixture of PFAS in DI water. Surprisingly and contrary to our results involving DI water 

treatment, PFOA had a lower degradation efficiency compared to PFOS, which could be 

attributed to the formation due to oxidation of precursors.  

We also observed 96% removal of PFBS from GW2. PFBS was also removed by 

20% in GW1 and 74% in GW3 at 750 kGy. This was contrary to data reported in Figures 

3.3 and 3.4, where PFBS showed no degradation compared to other PFAS. The alkalinity 

content of GWs 2 and 3 could play a role in the improvement of PFBS degradation. In a 

previous study performed to degrade PFOA using e-beam79, the degradation at 10 kGy 

increased from 53.8 to 94.9% when the alkalinity was increased from 0 to 100 mg/L as 

CaCO3. This was hypothesized that carbonate radicals can potentially react with PFOA 

anions, forming PFOA radicals, that can undergo further degradation.79 The reactions of 

carbonate ions (79 and 430 mg/L as CaCO3) in GWs 1 and 3 respectively with PFBS could 

likely explain the higher values of degradation efficiencies compared to GW1, that had ~79 

and ~430 times lower alkalinity than GWs 2 and 3, respectively. A similar explanation for 

PFBA degradation could be applied with 95% removal observed for GW2. One of the 

factors for the increase in C/C0 values observed for GWs 1 and 3 could be attributed to 

formation of PFBA by degradation of long chain PFCAs and precursors, which were 

abundant in GW1 and 3 compared to GW2.  

 

3.6 Environmental Implications and Limitations 

Based on the findings of the current study, e-beam technique has shown promise in treating 

PFAS as well as PFAS precursors. Treatment of PFAS-contaminated groundwater was 
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similar to controlled DI water treatment of PFAS mixtures; however, complete removal 

was not observed presumably due to interference of competing species present in the 

groundwater matrix. The calculated EE/O values in DI water ranged from 45 to 504 

kWh/m3/order in single solute samples tested at 100 μg/L of initial concentration. Based on 

our previous study and other recent publications, these values are comparable to other 

destructive technologies such as electrochemical oxidation, UV-sulfite and plasma 

technology3, 16, 30, 93, 99, 100. E-beam, similar to these technologies can be used as the final step 

in a concentrate and destroy approach to remediate PFAS concentrated wastes. However, as 

e-beam technology, advantageously, is advanced oxidation/reduction technique, it can be used 

to simultaneously applied to destroy other recalcitrant compounds such as 1,4-dioxane, 

chloroform, bromoform, sulfamethoxazole etc16. These will require doses significantly lower 

than those required for PFAS remediation, demonstrated by a recent study for 1,4-dioxane, 

where 5 kGy of e-beam dose completely degraded 10 mg/L of dioxane in DI water101. This 

makes  e-beam technology a potential treatment approach for simultaneous remediation of a 

variety of recalcitrant contaminants.  

E-beam can also be directly applied to solids and other complex matrices, implying 

a similar approach to UV/microwave irradiation102-104. It may be possible to directly 

regenerate spent GAC and IE resins with e-beam and further research is needed to study 

the feasibility of such applications. Results suggest improved degradation is feasible if 

higher doses (>1MGy) are applied to treat PFAS mixtures and real groundwater samples. 

In our study, delivered doses were limited to 1000 kGy due to an increase in temperature 

observed in our samples with increasing dose. Accelerators with higher dose rate can 

potentially overcome this limitation. Although good removal of C4-C8 PFAS using e-
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beam was observed, the mass balance was not closed after treatment suggesting the 

presence of unknown transformation products. Experimental work for this study was done 

on an e-beam accelerator that delivers 1 kW of power only.  Commercial accelerators, and 

the accelerator being developed at Fermilab, can deliver 100s of kWs of power. The latter 

systems should be capable of delivering high doses to completely defluorinate PFAS 

mixtures. 

However, there are still limitations for the widespread use of this study and use of 

this technology. The EE/O values calculated as a part of the study are based on 

decomposition of parent PFAS calculated from the initial and final concentrations. The 

authors state that although complete defluorination and mass balance for the PFAS tested 

was not the focus of the study, incorporating conditions that will induce compete 

defluorination will increase the calculated EE/O values. Secondly, the EE/O values in this 

study were calculated using the delivered dose, without using the wall-plug efficiency. The 

estimated power efficiency of the utilized system is ~80% and accounting for this will 

increase the calculated EE/O values. E-beam technology is an energy-intensive approach 

and reducing power losses and compact and portable designs will be needed to implement 

this technology for water remediation.  

Since the degradation of PFAS was similar for a wide range of environmentally-

relevant initial concentrations, it is suggested from this work that the e-beam approach 

would be energy efficient when treating concentrated PFAS waste rather than directly 

treating drinking water. A combination of a concentration step followed by e-beam 

irradiation (end-of-train treatment) would enable large- scale applications of e-beam 

treatment of PFAS. This study focused on direct irradiation of contaminated water. With 
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the limited availability of technologies that can destroy PFAS, e-beams are attractive in the 

sense that it is able to achieve PFAS degradation within minutes of contact time compared 

to other technologies requiring several hours of treatment. The ability of e-beam to 

simultaneously generate both reducing and oxidizing species allows for the destruction of 

other toxic co-contaminants as reported in other studies3, 16, 53. As part of the Department 

of Energy’s mission to get technologies developed in the national laboratories to external 

entities, Fermilab has designed and is in the process of building a compact, high power, 

high energy e-beam system that can be operated on a mobile platform. Such advancement 

in e-beam technologies will allow for increased applications in the water/wastewater 

treatment and for handling PFAS-containing waste. 

 

3.7 Conclusion 

This study successfully utilized a novel e-beam accelerator to investigate the degradation 

of a suite of PFAS in several aqueous matrices. In single solute samples, at a constant dose, 

the degradation efficiency did not increase with increasing chain length, with PFBA and 

PFBS showing the most resistance to degradation. A similar resistance to degradation was 

observed while treating equimolar mixtures and an increase in short chain PFCAs was 

observed due to degradation of longer chain PFAS. A negative impact of sample matrix 

was observed when real-world contaminated groundwater samples were treated, theorized 

to be due to scavenging of hydrated electrons by matrix components. Interestingly, e-beam 

was able to simultaneously oxidize PFAS precursors present in these samples, 

demonstrating its utilization as an oxidative/reductive treatment. These results and the 
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calculated EE/O values second the notion that e-beam technology is a promising approach 

to remediate PFAS from aqueous matrices.  
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TRANSITION 2 

 

This chapter focused on the application of electron beam technology for the destruction of 

PFAS in several aqueous matrices. Through the collaboration with Fermi National Lab, it 

was possible to observe degradation trends for PFAS of different chain lengths and 

functional groups in both single solute and equimolar mixtures. For real-world samples, 

sample matrix had an effect on the overall PFAS degradation. Interestingly, we observed 

that e-beams could fully oxidize known and unknown PFAS precursors present in real-

world samples, due to the production of oxidative and reductive species. 

Due to the collaborative efforts between our lab, Fermi National Laboratory and 

with data obtained from suspect screening from McDonough lab, we were able to submit 

an article to Environmental Pollution for publication.  

Collaboration between our lab and Fermilab also allowed us to study the 

degradation of 1,4-dioxane in several aqueous matrices using e-beam technology. This led 

to a second author publication for me titled “Low doses of electron beam irradiation 

effectively degrade 1,4-dioxane in water within a few seconds”. This was featured in the 

‘Emerging investigator series but this study is not a part of this dissertation. 

The next chapter focuses on the second destructive technique, electrochemical 

oxidation, for the degradation of PFAS in water.  
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4 CHAPTER 4 

 

EFFECT OF CHAIN LENGTH, ELECTROLYTE COMPOSITION AND 

AEROSOLIZATION ON THE REMOVAL OF PER- AND POLYFLUOROALKYL 

SUBSTANCES DURING ELECTROCHEMICAL TREATMENT OF WATER 

 

 

4.1 Introduction 

Advanced oxidation processes (AOPs) have been historically utilized to treat compounds 

such as natural organic matter/disinfection byproduct (DBP) precursors, Volatile organic 

carbons (VOCs), algal toxins, and pharmaceutical and personal care products and persistent 

compounds such a 1,4-dioxane.46 AOPs rely on the generation of highly reactive oxidizing 

species such as hydroxyl radicals (Eredox = 2.8 V) to degrade organic contaminants. The 

contaminants react with the oxidizing species in the bulk solution via the mechanism of 

indirect oxidation. Studies have also utilized a combination of AOP with UV light to treat 

persistent contaminants in groundwaters.46 PFAS contain a number of carbon-fluorine 

bonds, which is thermodynamically, one of strongest bonds in the universe.2, 7, 47 Adding to 

this, the high electronegativity of fluorine105 (Eredox = 3.06 V) indicates that 

thermodynamically, it is nearly impossible to oxidize fluorine. The presence of multiple C-

F bonds, lack of aromaticity of PFAS and the presence of electron withdrawing groups106 

that reduce the overall reactivity ( -COOH and -SO3H) implies that these compounds are 

highly resistant to oxidation even by hydroxyl radicals and ozone.2 Hence, advanced 

oxidation technologies, by themselves, have shown poor performance in treating waters 

contaminated with PFAS.2, 3, 16, 107 Electrochemical oxidation processes (eAOPs) fall under 

the category of AOPs and utilize electrical energy to potentially degrade persistent organic 
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compounds.  The challenges with AOPs can be overcome with an additional step, direct 

electron transfer between PFAS molecules and the anode in eAOPs, that can make PFAS 

susceptible to oxidizing species.    

The setup usually consists of a cathode, an electrolyte solution and an anode, with 

minimal auxiliary chemicals necessary and minimal waste generation.108 As oxidation 

reactions take place at the anode (direct oxidation), choice of the anode material impacts 

the overall performance of the treatment process. In utilizing eAOPs for PFAS treatment, 

a direct electron transfer (DET) occurs between PFAS molecules and the inactive 

anodes100. This results in the formation of unstable PFAS radicals that can undergo further 

oxidation by OH.100, formed at the anodic surface, due to water splitting.  Hence, eAOPs 

for PFAS treatment have gained impetus with anodes such as boron-doped diamond (BDD) 

and titanium suboxide, doped PbO2/SnO2 
109, 110 favorably utilized to achieve improved 

degradation and defluorination efficiencies.111 Electrochemical oxidation using these 

electrodes is said to follow the direct electrolysis pathway as the majority of reactions take 

place in the diffuse layer near the anode surface.100, 112 Furthermore, non-active anodes such 

as BDD and titanium suboxide anodes require high overpotential for oxygen generation100, 

108. This allows the water splitting reaction (Reaction 2) to take place prior to oxygen 

evolution. As a result, non-active metal oxide electrodes have shown higher efficiencies 

for oxidation of recalcitrant chemicals.108 

PFAS → (PFAS 
.
) + + e-                                                                                   (Reaction 4.1) 

H2O → OH
. + H+ + e-                                                                                     (Reaction 4.2) 
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Table 4.1 Summary of Previous Work Utilizing eAOPs for PFAS Remediation 

Parameter studied Parameter description 

 

Type of anode 

BDD111, 113, 114, Ti4O7 , mesh115 (BDD, Ti, Ru), sponge 

(graphene) anodes116, doped SnO2 , doped109, 110 PbO2 , 

Ti/RuO2
117 

Electrolyte used NaCl113, 118, Na2SO4
113, 119

, NaClO4
120

, phosphate 

buffer121 

Type of matrix used Ultrapure water119, GW122, industrial WW110, landfill 

leachate121 

PFAS studied C4-C18 PFCAs113, 114 and C4-C8 PFSAs114, 116, PFAS 

mixtures123 

 

Amongst the inactive anodes, BDD anodes are the most commonly studied and 

commercially available for eAOP applications.100 Chemical vapor deposition is commonly 

used to grow diamond layer on a substrate material such as niobium/silicon. Boron, a 

commonly used trivalent dopant impurity due to its low carrier activation energy then 

substitutes for carbon atoms, giving rise to a p-type semiconductor. This means that there 

are excess holes created in the matrix, with a hole-hopping mechanism occurring at low 

doping levels.100  

Contrary to an AOP system that works by oxidation in the bulk phase, the reactions 

in an eAOP system take place on/near the surface of the anode.100, 112 PFAS are generally 

resistant to advanced oxidation processes due to the presence of multiple C-F bonds on the 

C-C- skeleton. eAOPs overcome this by including another step, the DET, where an electron 

is transferred from the PFAS molecule onto the surface of the inactive anode. The first step 

for the degradation of PFAS in eAOP system is the adsorption step. This is an important 

step as in an inactive anode, most of the reactions, including the formation of oxidative 
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species take place near the anode surface. This is followed by the DET step, as shown in 

Figure 1 between the PFAS anion and the active sites present on the anode surface.100, 112 

It is important to note that while the PFAS-anode interactions occur, a simultaneous water 

splitting reaction, forming OH. also occurs near the anode surface.  

This transfer of an electron from the PFAS molecule to the anode results in the 

formation of a PFAS radical, as shown in Figure 1. The OH. are incapable of reacting with 

and degrading PFAS, similar to reactions in an AOP system for PFAS degradation2, 3 ,prior 

to Step 2, which is the formation of a PFAS radical. However, post DET, OH. radicals are 

capable of oxidizing the PFAS radicals with a standard redox potential of 2.8 eV.124. This 

results in the formation of degradation byproducts100, 125, which are further susceptible to 

OH radical attack. 

 

Figure 4.1 Proposed steps for degradation of PFCAs in an eAOP system. Figure adapted 

from Chaplin et al; 2014 and Radjenovic et al.; 2015, 2020.100, 108, 112 

As shown in Table 4.1, there have been numerous studies that have designed and 

utilized electrochemical oxidation to study PFAS degradation.68, 116, 117, 120, 126-130 These 

studies have utilized several inactive anodes to study degradation of a suite of PFAS under 

various water quality and operating parameters (Table 4.1). Although the steps for PFAS 

degradation using an eAOP system (Figure 4.1) are fairly agreed upon, there is still 
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contradictory literature on the effect of the supporting electrolyte on the PFAS degradation 

process. The role of the supporting electrolyte on both the resulting potential at the anode 

and the participation of supporting anions on the direct oxidation of PFAS radicals is 

unclear and needs further investigation. Further, it is necessary to identify the factors 

limiting the degradation of PFAS (such as PFBA, PFBS)113, 114, 116, post DET step. PFAS 

tend to accumulate at the air-water interface due to their surface activity and hydrophobic 

nature. The generation of gas bubbles in eAOP systems have the potential to entrap PFAS, 

transporting them to the water surface, which can lead to PFAS aerosolization when the 

bubble bursts. This process can lead to a loss in concentration of PFAS from the solution, 

which if unaccounted for, can be miscalculated as a part of degradation by the eAOP 

system. This phenomenon and its effects on the efficacy of the treatment process need 

immediate investigation.  

In this study, we designed and assembled a laboratory-scale batch electrochemical 

system for the treatment of PFAS in water. We utilized a commercially available BDD 

anode and a stainless steel cathode as the two electrodes. The main objectives of this study 

were to: 

i. test the impacts of supporting electrolyte on the PFAS removal and anodic 

potential 

 

ii. evaluate the effect of varying chain length and functional group of PFAS at 

various a range of higher than environmentally relevant concentrations (μg/L- 

mg/L),  

 

iii. assessed the role of aerosolization in the removal of PFAS from eAOP 

systems, and 

 

iv. elucidate removal pathways by performing a F- mass balance.  
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4.2 Research Questions 

1. What are the initiating steps in the degradation of PFAS in eAOP systems? 

2. What is the role of the supporting electrolyte in the degradation process? 

3. How does the PFAS chain length and functional group impact performance? 

4. How does the presence of OH radical scavengers in the solution impact the 

performance of eAOP system? 

 

 

4.3 Research Hypotheses 

1. The degradation of PFAS will occur by i) adsorption onto the anode surface, ii) DET 

between the anode and PFAS and iii) mineralization by OH radicals. 

 

2. Under similar EC and voltage/current density, the supporting electrolyte will play no 

role in the overall degradation process, with the degradation efficiencies independent 

of the anions present in the solution 

 

3. Long chain PFAS will perform better in an eAOP system due to higher hydrophobicity. 

Similarly, for PFAS with the same chain length, more hydrophobic PFAS (PFOS vs 

PFOA) will show higher degradation efficiencies. 

 

4. As most of the reactions occur near the anode surface, presence of radical scavengers 

in the bulk solution will not significantly impact the treatment of PFAS  

 

 

 

4.4 Materials and Methods 

All chemicals and solvents used in this research were of either certified ACS reagent grade 

or LC/MS with high purity and were purchased from Sigma-Aldrich (USA) and Fisher 

Scientific (USA).  For the bench scale eAOP system, one liter glass beaker was chosen as 

the reactor vessel with the sample volume kept constant between 875-900 mL. A circular 



76 

 

glass disk was chosen as the lid material, and it was appropriately sanded down to ensure 

a shrug fit onto the top of the beaker. A sampling port was drilled on the lid surface in such 

a way that it ensured a 5 ml Eppendorf pipette tip to smoothly slide in for sample collection.  

A commercially available BDD anode was purchased from Hunan Boromond EPT 

Co Ltd , China and used for the experiments. This anode has a boron doping level between 

5000-6000 ppm with an electrical conductivity of 5-15mΩ·cm. The boron doping 

significantly improves the conductivity of diamond and reduces the resistivity of diamond 

film to 0.01 ~ 100 Ω cm, which is beneficial for electrochemical reactions. The dimensions 

of BDD anode are 100 x 20 x 2.0 mm and the upper limit of current density to be applied 

is 100mA/cm2 . The stainless steel cathode was purchased from ScienceKitStore, with the 

dimensions of 125 x 20 mm, An Ag/AgCl reference electrode was purchased from Fisher 

Scientific. Finally, a 30 V, 5A DC power supply was purchased from Newegg. This is a 

regulated DC Bench Linear Power Supply with 4-Digits LED Power Display with a readout 

for voltage, current and power.  

Samples were prepared by filling the glass beaker with DIW, with the solution 

volume kept constant. A known amount of electrolyte (Na2SO4, NaCl, CaSO4 etc.) was 

added with the conductivity, pH, ORP, and temperature constantly monitored with a 

portable Hach multimeter. Through the sampling port, DIW mixed with the supporting 

electrolyte was spiked from a 10 ppm stock solution of PFAS created in DIW. The 

electrodes were connected to the power supply cables using alligator clips and the power 

supply was turned on and the voltage/current was appropriately adjusted. Samples were 

collected from the sample port in duplicates for PFAS and inorganic fluorine analysis.  
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Treated samples were diluted (1:1) with methanol to prevent any sorption prior to 

PFAS analysis. An aliquot of the diluted sample was taken out for further dilution (to fall 

within the calibration) and the pH was adjusted to near neutral using 10% acetic acid. 10 

μL of 100 μg/L isotopically-labeled standards (M2PFOA, MPFOS) were added prior to 

analysis to provide recovery corrected PFAS concentrations. Samples were analyzed using 

an Agilent 6495B triple quadrupole liquid chromatography tandem mass spectrometer (LC-

MS/MS) equipped with electron spray ionization (ESI). Details about the MRM transitions, 

analyte recovery, LC-MS/MS conditions are provided as supporting information (Table 

A4). Sample aliquots taken for inorganic fluorine (F-) were analyzed by using a portable 

Hach HQ440d fluorine meter, without any methanol dilution.  

 

4.5 Results and Discussions 

4.5.1 Effect of Supporting Electrolyte on PFAS Degradation 

To test the effect of supporting anions due to the presence of electrolyte, we performed a 

controlled set of experiments with PFOA as a model contaminant at an initial concentration 

of 50 μg/L. The sample volume was fixed at ~875 mL and the starting conductivity was 

fixed at 1000 μS/cm. The DIW conductivity was adjusted with six different salts, namely 

NaCl, Na2SO4, NaNO3, Al2(SO4)3 and KNO3, with the amount required to achieve the 

conductivity of 1000 μS/cm, varying with each salt. The removal of PFOA was observed 

with different electrolytes, with sampling done after every 30 minutes.  

As seen in Figure 4.2, the final removal values for PFOA in NaCl and Na2SO4 were 

~ 84 and 81%, respectively (Figure 4.2a), with the statistical difference being insignificant 
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in the removal trends (p value = 0.99). This suggested that while the electrical conductivity 

was the same, presence of supporting anions, SO4
2-  and Cl- did not have an impact on the 

overall removal process. This was contrary to previous studies involving PFAS removal 

using BDD anodes113, 114, which suggested an improvement in PFAS removal in Na2SO4 

over NaCl as the generated SO4
2-

 radicals could better oxidize PFAS over the Cl radicals. 

Our results were also contrary to another study that suggested that addition of Cl- to a 

solution of Na2SO4 improved the PFAS removal by ~15%, due to Cl radical formation, 

with excess Cl- inhibiting the water oxidation131, with a ~6% reduction in anodic potential 

reported with Cl- addition. Although OH. are considered to be the primary species 

responsible for direct oxidation of PFAS radicals, previous studies have hypothesized that 

the supporting electrolytes used during electrolysis such as NaCl, Na2SO4 can produce 

reactive species that can aid in PFAS oxidation. It was theorized that species such as sulfate 

radical (SO4
2- .), and reactive chlorine species (HOCl and Cl.) can aid OH. in PFAS 

oxidation, leading to an overall improvement in PFAS removal.113, 114, 131  

For NaNO3, Al2(SO4)3 and KNO3 (Figure 4.2a), the final removal efficiencies 

obtained were 53, 51 and 53% respectively with no statistical differences between the 

removal trends (p value = 0.82). Under the tested conditions, for the five salts chosen as 

the supporting electrolytes, the statistical differences in the removal trends were not 

significant (p value = 0.62) although NaCl and Na2SO4 did outperform the other 

electrolytes. This indicates that although anions such as NO3
- , SO4

2-  and Cl- present in the 

solution could produce radical species during electrolysis, varying the supporting 

electrolyte at the tested conductivity and applied voltage did not significantly impact the 

PFOA removal.  
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We also investigated the impact of supporting anions of the obtained anodic 

voltage, at the same starting conductivity fixed at 1000 μS/cm using NaCl, Na2SO4 and 

NaNO3. This was done by using a three electrode system with Ag/AgCl as the reference 

electrode and BDD anode as the working electrode. Our results also suggested that for 

NaCl, Na2SO4 and NaNO3 for a tested applied voltage range of 5-28 V and at a constant 

starting conductivity of 1000 μS/cm, the potential at the anode did not significantly vary 

amongst the three tested electrolytes (SI Table 1) (p value = 0.9). 

 

Figure 4.2 a) Removal of PFOA with a) fixed electrical conductivity (1000 μS/cm) 

attained with different electrolytes. Applied voltage: 12 V (fixed), obtained current 

density: ~17 mA/cm2 and b) different conductivities attenuated with Na2SO4 . Applied 

current density: 17 mA/cm2 (fixed).  

This suggests that the anodic potential was not impacted by the presence of 

supporting anions in the solution, under the tested conditions. As the anodic potential 

directly can impact the DET mechanism, this shows that the efficacy of the DET between 

PFOA and the anode was consistent with varying supporting electrolytes.  

To further test the effect of supporting anions on PFOA removal, we tested the 

removal in three different conductivities of 500, 1000 and 2000 μS/cm obtained by Na2SO4, 

with the starting current density of 17 mA/cm2 (Figure 4.2). Unsurprisingly, to achieve the 
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desired current density, at 500 μS/cm, the average system voltage was 21 V, while it 

reduced to 9.1 V at 2000 μS/cm. It is important to note that although the obtained voltage 

varied across the three solutions, the applied current was kept constant. The final C/C0 

values for solutions with 500, 1000 and 2000 μS/cm of starting conductivity were 0.17, 

0.18 and 0.29, respectively with no statistical differences observed in the removal trends 

(p value = 0.96). This indicated that although the amount of sulfate ions increased in the 

bulk solution from 500 μS/cm to 2000 μS/cm of conductivity, the removal of PFOA was 

unaffected.  

The lack of impact of supporting anions on PFAS removal could be due to a 

combination of two factors: firstly, the OH. are produced due to water splitting near the 

surface of the BDD anode while the electrolyte anions are in the bulk phase. This means 

that they would have to undergo electrolysis to produce radicals such as sulfate and 

chlorine, migrate to the anode surface to participate in PFAS radical oxidation. This multi-

step process potentially reduces the number of anion radicals that are present in the diffuse 

layer, compared to the OH. radicals. Secondly, the standard reduction potential of OH. 

radical is 2.8 eV, which is one of the highest redox potentials amongst radical species124 

such as chlorine (2.4 eV) and sulfate (2.4 eV)124. Hence, OH. radicals will both 

preferentially and more effectively be able to oxidize PFAS radicals than other oxidizers 

in the solution. Thus, based on the obtained data and the above hypothesis, it can be 

concluded that the supporting electrolyte, under the tested conditions, had no significant 

impact on the PFOA removal.  
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4.5.2 Impact of PFAS Chain Length and Functional Group on Removal Efficiency 

We tested six PFAS (three perfluorinated sulfonic acids (PFSAs), two carboxylic acids 

(PFCAs), and one fluorotelomer sulfonate (FTS)) to observe the impact of chain length and 

functional group on the overall parent PFAS removal. Single solute experiments were 

conducted with Na2SO4 (1000 μS/cm) chosen as the supporting electrolyte with the starting 

PFAS concentration of 50 μg/L. Figure 4.3 describes the change of C/C0 at a fixed voltage 

of 12 V for the PFAS tested in the eAOP system.  

 

Figure 4.3 a) C/C0 of PFAS of different chain length and functional group as a function 

of time. Applied voltage: 12 V, Obtained current density: ~17 mA/cm2, EC : 1000 μS/cm 

(Na2SO4) b) Correlation plot of kobs as a function of PFAS’s log kow. 

As shown in Figure 4.3a, similar removal was observed for long chain PFNA, 

PFOS (total) and PFOA (p value = 0.78) indicating ~86, 93 and 82% removal respectively. 

6:2 FTS displayed ~60% removal, with the final C/C0 value being 0.4 whereas the removal 

efficiency  for PFHxS (total, i.e., linear + branched forms) was  ~30%. For the tested 

conditions, no removal of short chain PFBS was observed.  The data is consistent with 

previous studies on eAOP treatment of PFAS, where the long chain PFAS have displayed 

better removal efficiencies than the shorter chain PFAS such as PFBA and PFBS (~50-90% 
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for PFOA and PFOS vs ~ 5-40% for PFBA and PFBS, under similar conditions)68, 113, 114, 

116. 

One of the factors that can affect the DET is Eanion
0 defined as the ‘anode potential 

at which a DET can be initiated between the PFAS anion and the anode’, calculated by a 

recent study112. As DET essentially involves a direct electron transfer, from the PFAS to 

the anode, this is essentially an oxidation step. Thus, while looking at Eanion
0
 values, the 

lower the value, the easier it is for the PFAS to donate the electron to the anode. 

Interestingly, the calculated Eanion
0 values for PFOS, PFHxS and PFBS were similar at ~3.7 

V vs SHE, while the C/C0 values showed an increasing trend with chain length. 6:2 FTS 

and PFOA had similar values of 3.03 and 2.91 V vs SHE, while showing 60 and 82% 

removal in our system, respectively. For the system tested, the anodic potential for an 

applied voltage of 12 V was ~9 V, higher than Eanion
0 required for DET of PFSAs tested. 

This means that there was sufficient voltage at the anode under the tested conditions, to 

initiate DET for all of the PFAS tested, assuming the migration of PFAS in the diffuse layer 

of the anode. Thus, DET was not thought of as the rate limiting step, that affected the PFAS 

performance in the eAOP system. Thus, for our experimental setup, the Eanion
0 was 

determined to not be a limiting factor affecting the performance of eAOP system in PFAS 

removal.  

We then focused on PFAS properties such as hydrophobicity and solubility that 

could vary with functional group and chain length. This can affect the performance of PFAS 

in an eAOP system, where the first step of the electrochemical treatment process is the 

adsorption of PFAS to the anode surface. To test this, we first calculated the first order rate 

constants for the different PFAS tested. We then plotted the first order decay constants for 
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the tested PFAS against their respective octanol-water partitioning coefficient (Figure 3b). 

The pseudo first order rate constant (k) was calculated by taking the slope of the curve of 

log (C/C0) versus time while the log KOW values were obtained from the EPA’s CompTox 

dashboard (predicted average values utilized). Figure 3b displays the plot of kobs and log 

KOW for the tested conditions with a strong correlation observed (r = 0.80). This indicates 

that the PFAS hydrophobicity was strongly related to the first order rate constant for the 

corresponding PFAS in the eAOP system. Thus, the PFAS hydrophobicity was determined 

to be the limiting factor for PFAS treatment using eAOP system.    

Previous studies have reported similar performance of the eAOP systems in treating 

PFOS isomers.6, 68, 115 Consistent with these studies, the kobs for L-PFOS, br-PFOS and 

PFOS (total), were all ~ 2 x 10-2 s-1  showing no significant difference. However, for PFHxS, 

the kobs for L-PFHxS was 3.2 x 10-3 s-1 , ~2.3 times the kobs for br-PFHxS at 1.4 x 10-3 s-1.  

This is hypothesized due to a greater variation in the log KOW  values between PFHxS 

isomers, compared to PFOS isomers. However, as the PFHxS isomers are not as well 

studied as PFOS isomers, our observation needs further investigation and testing. Based on 

the variation of kobs for PFHxS, this strengthens the point made by a previous study6 that 

while using eAOPs as well as other destructive techniques for PFAS treatment, it is 

essential to account for the isomeric behavior of PFAS towards the removal mechanism of 

the treatment technique used.  

4.5.3 PFAS Removal Influenced by Gas Bubbles Generated in eAOP System 

The water splitting below the oxygen evolution potential can still lead to H2 gas formation, 

leading to bubble formation, in which the gas can be trapped. These bubbles can entrap the 

surface-active PFAS carrying it on the air-water interface, enabling the hydrophobic PFAS 
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to a surface for adsorption. As the bubbles reach this interface, their surface activity causes 

them to burst, leading to PFAS aerosolization and removal from the system. This was 

evident in our eAOP system by an observable condensation on the beaker rim and the lid 

formed during the treatment process. Post eAOP treatment (2 hours) of PFAS studied in 

section 3.2, we attempted to quantify the PFAS enrichment by first transferring the treated 

solution carefully into an HDPE bottle. Utilizing a spray bottle, we collected PFAS 

enriched on the beaker rim and the lid with methanol. We transferred the methanol with 

PFAS condensate into a 50 mL polypropylene tube, measured the volume collected, and 

analyzed it on the LC-MS/MS after appropriate dilution. Similar to sea-spray aerosol 

enrichment, the eAOP system has the potential to enrich PFAS at the air-water interface.132  

This is due to the surfactant properties of PFAS and the formation of bubbles due to H2 

formation at the cathode surface, that can aid in PFAS enrichment.100, 132, 133 
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Figure 4.4  Percentage of mass of PFAS aerosolized by electrochemical aerosol 

formation. Initial single solute PFAS concentration: 50 ppb. Applied voltage: 12 V, 

anodic voltage: 9.2 V, Electrical conductivity: 1000 μS/cm (Na2SO4). 

PFNA showed the highest removal due to aerosolization, with an average of ~40% 

of the initial mass aerosolized and captured on the reactor lid. However, in one of the 

experimental runs, ~85% of PFNA was aerosolized when the initial concentration was ~5 

μg/L. Average removal of PFOS and PFOA by aerosolization were ~ 15±7 and 11±7%, 

while ~10% removal was observed by PFHxS. The removal of and PFOA showed similar 

removal by aerosolization, with ~12.5 and 15 % mass aerosolized, while PFHxS showed 

~10 % enrichment. It is important to note that PFOS, PFOA and PFNA showed >80% 

removal while PFHxS showed only ~30% during the eAOP treatment. The enrichment data 

is consistent with previous study focusing on electrochemical aerosol formation that 

indicated an increase in enrichment with an increase in chain length attributed due to higher 

surface activity.132 It is important to note that the aforementioned study was designed to 
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pre-concentrate PFAS as a sample preparation technique132and was not a treatment study. 

The lower removal by aerosolization of 6:2 FTS in spite of its similar chain length as PFOS 

could be associated with lower surface activity induced by its polyfluorinated chain 

compared.134 PFBS, due to its low surface activity, displayed almost no enrichment (<2%), 

while also undergoing no removal in the eAOP system. Results from the current study 

showed that while degradation of PFAS using the eAOP system was the ultimate goal, 

PFAS removal by aerosolization can occur during the treatment. If unaccounted for, this 

would lead to i) overestimation of the treatment efficiency if the percent degradation was 

calculated based on the initial and final concentration and ii) risk of contamination and 

health risks to the surrounding environment and individuals.  

Thus, due to the phenomenon of enrichment, it is important to note that the removal 

referred to in this study, denotes a ‘loss in concentration’, a combination of PFAS 

degradation and aerosolization, that combined to reduce the initial concentration of PFAS. 

Our setup was not optimized to capture all of the PFAS aerosolized by the eAOP system, 

and it may be possible that the condensate on the lid may have re-entered the solution, and 

thus underestimating our calculation of the mass of PFAS aerosolized. Based on the results 

of this study, we recommend previous studies that utilized eAOP processes for PFAS 

removal to revisit their data to calculate the ‘true’ degradation happening in their system 

accounting for PFAS aerosolization. Although the current study focuses on using BDD 

anodes, this would apply to all eAOP systems for PFAS remediation, that produce H2/gas 

bubbles due to cathodic reactions.  For future studies, while performing the reactor and 

experimental design, it is important to factor in the loss in PFAS, due to the aerosol 
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formation to both avoid overestimating the performance of the eAOP system tested and 

preventing > ppm levels of PFAS contamination in the reaction setup.   

4.5.4  Fluorine Mass Balance for PFAS Removal 

Some studies have proposed degradation mechanisms for PFCAs and PFSAs by pathways 

involving OH., H2O and O2 cycles, while acknowledging that the exact degradation 

mechanisms still remain unknown.100, 112, 135 A recent study utilized kinetic modeling to 

illustrate the degradation mechanism of PFOA by using eAOP.125 Although this study gave 

an insight about PFOA degradation, this was based on DFT calculations and the 

mechanisms of other PFAS classes still remain unknown. In this study, we attempted to 

perform a mass balance of total fluorine in the system both before and after eAOP 

treatment. We tested single solute samples for four PFAS (PFOA, PFOS, PFNA and 6:2 

FTS) at an initial concentration of 1 mg/L. The applied voltage/current density was fixed 

at 12V/17 mA/cm2 and the solutions were run for a period of 6 h with aliquots periodically 

taken for both PFAS and inorganic fluorine analysis. After treatment, the PFAS loss via 

aerosolization was accounted for as described in the previous section.  

Similar to single solute samples at 50 ppb (Section 3.3), PFNA showed the highest 

loss in concentration with almost complete removal observed at ~240 minutes. PFOS also 

showed compete removal in six hours while the final percent removal for PFOA and 6:2 

FTS was ~80 and 70%, respectively. These results were similar to single solute samples at 

50 ppb initial concentration samples where 6:2 FTS showed the lowest removal amongst 

the four compounds tested. However, the trends for inorganic fluorine detected in the 

solution after treatment are different than removal trends. Assuming complete 

defluorination, the maximum fluorine detectable for 1 ppm for PFOA, PFOS, 6:2 FTS and 
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PFNA would be 0.69, 0.64, 0.57 and 0.69 mg/L. Based on these values, the percent 

defluorination for PFOA, PFOS, 6:2 FTS and PFNA were obtained as 48, 20, 41 and 25 

%, respectively while the percent removal values were ~ 80, 100, 70 and 100 %, 

respectively.  

 

Figure 4.5 a) C/C0 of PFAS of different chain length and functional group and b) mg/L 

fluorine released as a function of time. Applied voltage: 12 V, EC : 1000 μS/cm 

(Na2SO4), initial concentration: 1 ppm. 

Although no short chain PFCAs/PFSAs were detected post PFOS treatment, there 

was an increase in short chain PFCAs namely PFHpA, PFHxA and PFPeA post treatment 

of PFOA and 6:2 FTS.  This was consistent with previous studies that observed an increase 

in PFCAs post PFOA removal119, 125, however,  the formation of short chain PFCAs 

accounted for <10 % of the total PFAS initially present in the solution for both PFOA and 

6:2 FTS. This is contradictory to other destructive techniques (UV-ARP, e-beam, plasma)3, 

6, 30, 136, where chain shortening by DHEH was the dominant removal mechanism for 

PFCAs. Other byproducts measurable within our instrument capabilities were not detected 

in the system after treatment. Based on the parent PFAS and its byproducts detected, 

measurement of inorganic fluorine and kinetic modeling proposed in previous studies112, 

125, the following steps are proposed as the dominant mechanism for PFOA removal.  
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C7F15COOH → C7F15COO- + H+ 
                                                                   (Reaction 4.3) 

C7F15COO-
  + h+

 → C7F15COO
.                                                                                

(Reaction 4.4) 

C7F15COO
. 
→ C7F15

.
 + CO2                                                                           (Reaction 4.5) 

C7F15
. 
+ OH

.
 → C7F15OH                                                                               (Reaction 4.6) 

C7F15OH – H+ → C7F15O
-                                                                                            

(Reaction 4.7) 

C7F15O
-
 + h+ → C7F15O

.
                                                                                             (Reaction 4.8) 

C7F15O
. → C6F13

.
 + COF2  (repeat steps 17-23)                                            (Reaction 4.9) 

COF2 + H2O → CO2 + 2 HF                                                                          (Reaction 4.10) 

 

PFAS will generally exist in its anionic form as per reaction 1 at the highly acidic 

boundary layer near the anode surface.100 Post the loss of an electron (DET), the anionic 

form is transformed into a PFAS radical, which, in the case of PFOA, loses its carboxylic 

acid group100, 112, 137, forming a C7F15
.. Although reactions 4-6 result in the formation of 

C7F15O. determined to be thermodynamically stable by DFT modelling125, 137, another 

mechanism termed as the O2 cycle may also occur yielding the same product. This pathway 

involves the reaction of C7F15
. with O2 forming a C7F15OO., which eventually dissociates 

to yield C6F13
.. This dissociation yields COF2 as a byproduct which can further hydrolyze 

to yield inorganic fluorine as per reactions 7 and 8. Depending on the reaction cycle, the 

byproducts could be CO2, F-, PFAS alcohols and short-chain PFCAs, that can undergo 

further reactions.100, 119, 135, 138, 139 Generation of short chain PFCAs and inorganic fluorine 

could not account for 100% of the total mass balance, indicating that there are other 

pathways/removal processes (e.g., aerosolization) that need further investigation.  This is, 

however, beyond the analytical capabilities of our instrument and beyond the scope of this 

study. The lack of short chain PFCAs and PFSAs detected for PFOS during eAOP treatment 
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as opposed to reductive destructive treatments such as e-beam80 and UV-sulfite30 suggests 

that a similar removal mechanism may occur to the one proposed for PFOA. However, 

similar to PFOA, more research that focuses on removal mechanisms and thermodynamic 

modeling are needed.  

We additionally performed a fluorine mass balance for PFOA and 6:2 FTS at initial 

concentration of 1 ppm. After spiking the parent PFAS in the electrolyte solution, the 

fluorine can compartmentalize into (i) organic fluorine in the solution (parent PFAS and 

transformation products); (ii) organic fluorine loss from aerosolization; (iii) inorganic 

fluorine generated from defluorination of PFAS; and (iv) irreversible adsorption and/or 

precipitation of organic/inorganic F onto the anode surface. For PFOA and 6:2 FTS, the 

total fluorine recovery, calculated on a molar basis was 68 and 69%, respectively. The 

inorganic fluorine released during the eAOP treatment accounted for the highest fluorine 

fraction, with 41 and 33 %, respectively for PFOA and 6:2 FTS. The organic fluorine 

fraction due to short chain PFCA formation accounted for <5%, while the parent PFAS still 

present in the solution accounted for ~21 and 28%, respectively, for PFOA and 6:2 FTS. 

Although both PFOA and 6:2 FTS were detected via enrichment, their contribution to the 

total fluorine was <3 %, due to the higher initial concentration utilized for this study. The 

incomplete fluorine mass balance indicates that there are more factors that should be 

accounted for.  

One of these is the adsorption of fluorine onto the anode surface. A previous 

study140 using BDD anodes for PFOA treatment (8 mM)  performed an XPS analysis on 

the anode surface post treatment. A clear F1s peak was observed on the BDD anode surface 

after eAOP treatment, indicating that fluorine adsorption could occur during the eAOP 
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treatment of PFAS. To test this, we performed energy dispersive spectroscopy (EDS) for 

the submerged and non-anode surface to test for presence of fluorine on the anode surface. 

Post treatment, there was no F1s peak observed on the anode surface, indicating that either 

the adsorbed fluoride was below the detection limit of the instrument or that minimal 

adsorption of fluoride on the anode occurs. Thus, it is hypothesized that the rest of the mass 

balance can be closed by analyzing the organic fluorine, post treatment of the solution and 

to entrap any volatiles that are generated during the eAOP process. Suspect screening could 

also elucidate degradation pathways and byproducts, leading to a near complete fluorine 

recovery.  

 

4.6 Conclusion 

This study demonstrated the effectiveness of electrochemical oxidation as a treatment 

approach for PFAS remediation. Using commercially available BDD anode and a stainless 

steel cathode, we were able to design and utilize a bench-scale electrochemical system to 

study PFAS removal. At a constant electrical conductivity, this study demonstrated that the 

supporting anions, introduced by changing the supporting electrolyte did participate in 

PFAS degradation. This was further supported by a lack of variation in the anodic voltage, 

which was measured for the tested supporting electrolytes by varying the applied voltage. 

A fluorine mass balance, post treatment, revealed inorganic fluorine as the major 

transformation product for PFOA and 6:2 FTS. Although short chain PFCAs were detected, 

post treatment, a lack of complete mass balance shows the formation of unknown 

transformation byproducts that requires further examination. 
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This was the first study to demonstrate that the gas bubbles produced at the cathode 

could transport and aerosolize PFAS out of the solution for eAOP treatment of PFAS. It 

differentiated between PFAS removal and degradation and emphasized the need to account 

for PFAS aerosolization to prevent overestimation of the treatment efficiency and 

performance. Accounting for PFAS aerosolization would reveal ‘true’ degradation 

efficiency and can be used by future researchers to report PFAS compartmentalization, post 

treatment by eAOPs. This work resulted in an article submitted to ‘Environmental Science: 

Water Research & Technology’, which is currently in review (December 2023).  
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TRANSITION 3 

 

Until now, I focused on utilizing two destructive technologies for PFAS remediation. While 

comparing the data I obtained with previous studies that focus on treatment of PFAS, either 

by sequestration or destruction approaches, I noticed that they combine branched and linear 

isomers of PFAS to report it as PFAS-total. This is also true regarding the current 

regulations (October 2023) that combine the branched and isomeric forms as total PFAS to 

design drinking water regulations and advisory limits.  

However, it was interesting to see that PFAS isomers behaved differently in the two 

treatment technologies studied. Branched isomers of PFOS and PFHxS showed near 

complete degradation at the lowest e-beam doses tested, compared to the linear isomers, 

that showed varying degradation efficiencies. In the eAOP reactor, degradation trends of 

the branched isomers were either almost identical or poorer compared to the linear forms. 

We then performed a literature review to see if there were studies focusing on isomeric 

distribution of PFAS and the consequences on treatment technologies.  

To our surprise, there was no review paper that summarizes the effects of isomeric 

distribution on the various treatment approaches. Hence, Chapter 5 is a critical review 

paper titled “The need for testing isomer profiles of perfluoroalkyl substances (PFAS) to 

evaluate treatment processes”. This was published in Environmental Science and 

Technology in October 2022. 
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5 CHAPTER 5 

 

THE NEED FOR TESTING ISOMER PROFILES OF PERFLUOROALKYL 

SUBSTANCES (PFAS) TO EVALUATE TREATMENT PROCESSES 

 

 

5.1 Introduction 

Two of the most used and studied PFASs are perfluorooctanoic acid (PFOA) and 

perfluorooctane sulfonic acid (PFOS). Although the intent is to manufacture linear forms 

of PFOA and PFOS for various applications, the type of manufacturing process used can 

result in the formation of different chain lengths and structural isomers of PFASs as 

impurities7, 141, 142. Electrochemical fluorination (ECF) and telomerization are the major 

manufacturing processes for PFOA.141 As the ECF process is of a free-radical nature, it 

leads to the rearrangement and breakage of the carbon chain. This leads to the production 

of linear and branched isomers, mainly perfluorinated as well as homologues of the raw 

material7. The 3M Co. was the major manufacturer of PFOA from the 1950s until 2002, 

after which perfluorooctyl chemistries were phased out. The 3M Co. PFOA, measured in 

18 production lots over 20 years was found to be approximately 78% linear and 22% 

branched.7, 141, 143 Since 2002, large scale production of linear PFOA has continued by 

telomerization process and is considered to be the predominant perfluoroalkyl carboxylic 

acid (PFCA) manufacturing process. The telomerization process is one that involves 

addition of a free radical to a starting telogen with a taxogen that is usually unsaturated. 

This results in a chain lengthening by units of CF2-CF2, which when subjected to oleum 

oxidation, can yield PFOA.144 The result of the telomerization process is a product (e.g., 

PFOA) that is isomerically pure, but can contain chain length impurities.   
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In contrast, ECF can result in greater numbers of byproducts, including branched 

and linear isomers that can have odd and even chain lengths.144 PFOS has predominantly 

been manufactured by ECF, while telomerization sources for PFOS are unknown. The 3M 

Co. produced PFOS from the 1950s to 2002 with a distribution of approximately 70% 

linear and 30% branched.141, 143 Since the phase out of PFOS by 3M Co. in 2002, production 

of perfluorooctane sulfonyl fluoride (POSF) and its derivatives has continued in developing 

countries.141 The residual impurities, generated as byproducts of PFAS manufacturing 

processes, can influence the isomeric distribution of PFASs in the environment. In addition 

to PFOA and PFOS, other PFASs can also exhibit isomerism, including several PFCAs 

such as PFBA/perfluorobutanoic acid (C4), PFPeA/perfluoropentanoic acid  (C5), 

PFHxA/perfluorohexanoic acid  (C6), PFHpA/perfluoroheptanoic acid (C7), 

PFNA/perfluorononanoic acid (C9), PFUnA/perfluoroundecanoic acid (C11) 144, 145, 

perfluorosulfonic acids (PFSAs) such as PFPeS (C5), PFHxS (C6)86, 144, 146, POSF144, 147and 

perfluorooctane sulfonamide (FOSA).148 

In the past two decades, although many pieces of literature have reported multiple 

PFASs in diverse aquatic environments, PFAS isomers (i.e., branched or br-PFAS vs. linear 

or L-PFAS forms) have received relatively little attention, probably due to analytical 

difficulty and the relatively low abundance of branched isomers compared to their linear 

counterparts in the environment.86, 148, 149 The structural difference between linear and 

branched PFAS isomers would determine their physical and chemical properties, such as 

hydrophobicity, leading to differing fate and transport mechanisms of PFAS isomers in the 

environment. In some instances, the concentration of branched isomers may surpass linear 

isomers in source waters. 86, 150 This may have an impact on the overall treatment efficiency 
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of PFASs as a few studies have highlighted the variation in the treatment efficiency 

between linear and branched isomers of PFASs.54, 80, 151-155  For example, early 

breakthrough of branched isomer from granular activated carbon (GAC) filtration 

system155, 156  and preferential degradation of branched isomers over linear form in 

destructive approaches54, 80, 157 have been reported. In this paper, we highlight the need for 

differentiating the isomers of PFASs during treatment/remediation approaches as the 

branched-to-linear ratio in source waters can influence the overall treatment efficiency of 

the selected approach. The specific objectives of this critical review paper were to (i) 

summarize the environmental occurrence of branched and linear isomers of PFASs; (ii) 

highlight isomer-dependent physicochemical properties and toxicokinetics of PFASs, (iii) 

provide the current understanding of the variability in treatment efficacy between PFAS 

isomers, and (iv) highlight the impact of isomer profile on PFAS treatability. 

 

5.2 Research Questions 

1. What is the variation in distribution of PFAS isomers in different natural environmental 

compartments? 

2. What is the variability in physicochemical properties of PFAS isomers? 

3. How can the variation in physicochemical properties impact the selection and 

efficiency of treatment techniques? 

4. What are some of the analytical challenges that occur during quantification of PFAS 

isomers? 
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5.3 Isomeric Distribution of PFAS in the Environment 

Source waters can have large variations in the isomeric distribution of PFASs. One of the 

factors contributing to this is the proximity and type of PFAS manufacturing industry, that 

can greatly influence the type of PFASs released into the environment. The isomeric 

distribution in natural waters can also be influenced by the inherent properties of linear and 

branched forms. A recent study86 summarized the global distribution of linear and branched 

forms of PFASs in surface water, groundwater, and seawater. They found that ratio of br-

PFAS to L-PFAS in certain surface waters was higher than expected. This was attributed 

to the higher normalized organic carbon to water partition coefficient148 of L-PFAS 

compared to the branched forms, elaborated more in the later sections. They further 

theorized that this could lead to stagnant water bodies such as lakes having a reduced 

percentage of L-PFAS than flowing bodies such as rivers, as river currents might reduce 

adsorption further from equilibrium conditions. Linear isomers accounted for 42–87% in 

lake waters and for 24–89.5% in river waters, with the distribution highly dependent on the 

location and water source.  Similar to behavior in sediments, L-PFAS sorb better to soils 

than the br-PFAS, leading to relatively higher concentrations of br-PFAS in 

groundwaters.86, 141 The br-PFAS are less retarded during subsurface transport, leading to 

a possible enrichment of br-PFAS in groundwater with distance.158 85 This was also 

observed in a recent study conducted in El Paso County, Colorado, when PFOS isomer 

concentration was analyzed at locations near and further away from the source. The average 

br-PFOS contribution (br-PFOS to PFOS-total) was ~26% near the source but increased to 

~46 % at the location furthest from the source10. It is also important to note that 

biotransformation could enhance the concentration of L-PFAS in the environment due to 
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the preferential degradation of br-PFAS.158 However, the preferential transformation of br-

PFAS precursors over L-PFAS precursors159, 160 could increase the br-PFAS/L-PFAS ratio 

in the environment, making concentration estimations and predictions entirely based on 

source tracking in environmental samples difficult.   

 

Figure 5.1 Representation of percentage of L-PFOS present in various environmental 

matrices.4, 56, 57, 85-87, 141, 144, 145, 148-150, 158, 161-181 Dots represent ratios calculated at multiple 

data points using average L-PFOS and br-PFOS values.  

Figure 5.1 summarizes the percentage of linear PFOS (L-PFOS) out of total PFOS 

in the environment reported in the literature. The ratio (L-PFOS/∑PFOS), represented as 

%L-PFOS, varies significantly between the aqueous phase, abiotic solids (sediment and 

suspended particles), and biota and is also influenced by different locations and studies. 

The largest variation of the L-PFASs was observed in freshwater systems, ranging from 

25% to 100%. In contrast, %L-PFOS showed a more compact distribution in sediment and 
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biota samples, ranging from ~70% to 100%. These distributions seem to be impacted by 

the differences in the sorption properties of linear and branched isomers of PFOS. For 

PFOA, the L-PFOA accounted for 50% to 100% in water and 80% to 100% in sediment 

and biota samples.4, 165 For PFHxS, the linear L-PFHxS accounted for 64% to 99% in water 

and 85% to 96% in sediment and biota samples. PFOS exhibited a more considerable 

variation in terms of the isomeric fractionation than PFOA and PFHxS. Because of the 

nature of the longer chain-length of PFOS, the outcome of isomeric fractionation of L-

PFOS from br-PFOS would be more distinct after a series of natural and anthropogenic 

processes, possibly due to the greater variation in physicochemical properties reported 

between the isomeric forms with increasing chain length.146  

Several factors are known to govern the composition of PFAS isomers in water. 

First of all, the release from manufacturing processes (e.g., ECF and telomerization 

processes) can directly determine the isomeric distribution of PFASs in water. Natural and 

anthropogenic processes can further modify the ratio between linear and branched isomers. 

For natural processes in water, L-PFAS would preferentially sorb to suspended particles, 

sediments, and phytoplankton cells, therefore leading to scavenging of L-PFAS from the 

aqueous phase and the enrichment of L-PFAS in abiotic solids148  and algal cells. Floating 

foam formed by natural organic matter could also take up more L-PFAS than br-PFAS, 

leaving more br-PFAS in the bulk of water. Preferential degradation of branched over the 

linear precursors can increase the concentration of br-PFAS in the environment. The 

distribution amongst the branched isomer products can also differ due to the difference in 

biotransformation rates of br-PFAS precursors.160 In organisms, L-PFAS is known to be 
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more bioaccumulative and br-PFAS can be eliminated faster, explaining why L-PFASs are 

often highly enriched in biota (Figure 5.1). 

 

5.4 Variation in Physicochemical Properties of Different PFAS Isomers 

There are only a few studies that report the variation in physicochemical properties of PFAS 

isomers as summarized in Table 5.1.146, 147, 182-184  In a study done by Chen et al. (2015), 

the field-based water sediment distribution coefficients (Kd) were used to calculate the 

organic carbon-water partitioning coefficient (KOC) values148. For PFOA, the L-PFOA had 

a log Koc value of 3.11 ± 0.38 cm3/g whereas the iso, 4m and 5m (br-PFOA) forms had 

relatively lower log Koc values of 2.96 ± 0.48, 2.77 ± 0.53, and 2.82 ± 0.51 cm3/g, 

respectively.  
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Table 5.1  Reported and Predicted Physicochemical Properties of PFAS Isomers in Literature Along with Their Significance 

PFAS analyte Property Reported values Difference in value for br-

PFAS relative to L-PFAS 

Significance 

L-PFOS183  

CCC bond angle 

~115°  

~ 4.3 – 5.2 % ↓ 

Distortion in molecular structure 

impacts molecule stability 
br-PFOS183 ~109 – 110° 

L-PFOS183  

Relative ΔG of the acidic form 

(normalized) 

0 kJ/mol  

 

- 

 

More positive ΔG indicates higher 

reactivity 
br-PFOS183 1.4 – 14.6 kJ/mol 

L-PFOS148  

 

 

 

Sediment derived log Koc 

~3.38 cm3/g  

~ 6.2 – 34 % ↓ 

 

 

Higher Koc values indicate higher 

partitioning onto sediment phase 

br-PFOS148 ~2.22– 3.17 cm3/g 

L-PFOA148 ~3.11 cm3/g  

~ 4.8 – 10.9 % ↓ br-PFOA148 ~2.77 –  2.96 cm3/g 

L-PFOSA148 ~4.41 cm3/g ~ 17.6 % ↓ 

 br-PFOSA148 ~3.63 cm3/g 

L-PFOSA160  

Dynamic bioconcentration 

factor (BCF) in carp  

~ 134 L/kg  

~ 92 % ↓ 

 

Higher BCF indicates longer 

retention in the body 
br-PFOSA160  

10.7 L/kg 

  

B vs L-PFOS185  

Retention in rats 

 

NA 

 

- 

Branched isomers are 

preferentially excreted in rats 

compared to linear forms 

L-PFNA186 Growth-corrected elimination 

rate constants in male rats 

0.012–0.018  

~ 50 % ↑ (average) 

Branched isomers are 

preferentially excreted in rats 

compared to linear forms 
Br-PFNA186 0.019–0.026 

L-PFOS184  

 

Human population average half-

life * 

2.91 years  

 

~ 77.3 –  81.7  % ↓ 

 

 

Branched isomers are 

preferentially excreted in humans 

compared to linear forms  

1m-PFOS184 0.55 years 

3/4/5m-PFOS184  0.64 years 

2/6m-PFOS184 0.66 years 
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Table 5.1  (Continued) Reported and Predicted Physicochemical Properties of PFAS Isomers in Literature Along with Their Significance 

 

L-PFOS187  

 

 

 

Kd (dissociation constant for 

human serum albumin) 

8(±4)x10-8   

 

 

 

Linear isomer preferentially binds 

to human serum albumin 

3m-PFOS 4(±2)x10-4 

4m-PFOS 8(±1)x10-5 

5m-PFOS 9(±5)x10-5 

L-PFOA 1(±9)x10-4 

3m-PFOA 4(±2)x10-4 

4m-PFOA 3(±2)x10-4 

L-PFOS188  

 

 

 

Drinking water equivalent levels 

(DWELs) in μg/L53 

0.29  

 

 

 

206 – 637 % ↑ 

 

 

 

 

Higher DWEL levels suggest less 

effectiveness in reducing thyroid 

hormonal blood levels 

1 m-PFOS188  1.26 

2 m-PFOS 188 1.84 

3 m-PFOS188  1.40 

4 m-PFOS188  1.75 

5 m-PFOS188  2.14 

6 m-PFOS188 0.89 

br-PFPeA146  

 

 

 

 

 

Predicted octanol-water 

partitioning coefficient, dry (log 

KOW, dry) 

 

3.24 – 3.42  

0.29 – 5.5 % ↓ 

 

 

 

 

 

Higher KOW values indicate higher 

potential for bioaccumulation 

L-PFPeA146 3.43 

br-PFHxA146 3.54 –  4.01  

1.2 – 12.8 % ↓ L-PFHxA146 4.06 

br-PFHpA146 3.61 – 4.64  

0.64 – 22.6 % ↓ L-PFHpA146 4.67 

* Model considers original serum levels in humans. ↑ and ↓ indicate increase and decrease respectively in the percentage value of the property being 

considered. 

 



 

103 
 

A similar trend was observed for PFOS where the L-PFOS had the highest log Koc 

value of 3.38 ± 0.43 cm3/g and the values for br-PFOS ranged from 2.65 – 3.17 cm3/g.148 

These values suggest that the L-PFASs are more likely to be preferentially distributed 

(~16% more) in the particulate phase than the br-PFASs. This could explain the lower-than-

expected concentrations of the L-PFOS in surface and groundwaters (as shown in Figure 

5.1) as the preferential adsorption would enrich the br-PFOS/L-PFOS ratios in the aqueous 

phase.  

Although L-PFAS have higher Kow values compared to br-PFAS, bioaccumulation 

factors for PFAS generally don’t correlate well with Kow and are better predicted using 

protein binding coefficients. This is because PFAS do not follow a lipophilic persistent 

organic pollutant’s traditional bioaccumulation pattern. Composition of branched and 

linear PFOS in human serum and their association with adverse health outcomes were 

recently reviewed86. Branched PFOS isomers tend to have shorter half-lives in the human 

body than linear PFOS, likely due to the variation in affinity for lipids and transporter 

proteins, including varying binding affinities for human serum albumin and organic anion 

transport proteins184, 189. The average half-lives for L-PFOS were found to be 4.4 – 5.3 

times higher than that of br-PFOS in a cohort with AFFF-impacted drinking water.184 This 

may have implications for remediation targets and safe drinking water levels that are 

defined for branched versus linear isomers. Differences in toxicokinetics have been 

considered when developing Drinking Water Equivalent Levels (DWELs), resulting in 

lower values for L-PFOS (0.26 μg/L) versus br-PFOS isomers (0.89 – 2.14 μg/L) in this 

case suggesting that the linear isomers pose a greater risk for lowering thyroid hormonal 

blood levels.188 For the most part, current regulatory levels do not differentiate between 
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branched and linear isomers. In cases where branched isomers make up a significant 

portion of total drinking water contamination, this may mean that recommended levels 

would become more conservative. At this time there are not sufficient data related to 

differences in relative source contributions and reference doses for branched versus linear 

isomers to safely define distinct isomer-specific drinking water guidelines.  

Despite their faster elimination rates, branched PFOSs are found at similar levels 

to linear isomers in serum from some populations, with typical %br-PFOS ranging from 

30%– 50% .86  In contrast, most wildlife studies report lower contributions from branched 

isomers (Figure 5.1). This may indicate greater exposure of humans to PFAS precursors, 

which are transformed in vivo to form perfluoroalkyl acids (PFAAs), with preferential 

formation of branched isomers. While much remains to be learned about relative source 

contributions, it is likely that among the general population, human exposure to 

metabolically labile precursors originates primarily from sources other than drinking water, 

such as certain foods, paper products, textiles, and other consumer products.11, 190, 191 

The structural and thermodynamic properties of the PFAS isomers can provide 

insights into their overall stability and susceptibility to degradation. It was found that all 

the carbon-carbon-carbon (CCC) angles for L-PFOA were approximately 115° whereas in 

br-PFOS, the CCC angles where the -CF3 group was bonded, were approximately 109-

110°. 183  This distortion in the CCC angle in the backbone structure can affect the stability 

of the br-PFAS183, making them less stable and more susceptible to degradation. This can 

be further elucidated by comparing the Gibbs free energy (ΔG) of the PFOS isomers by 

setting the least positive value to zero for relative comparison. It was observed that for the 

acidic forms, L-PFOS had the least positive value of ΔG and was set to zero while 1-CF3–
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PFOS, 2-CF3–PFOS, 3-CF3–PFOS, 4-CF3–PFOS, 5-CF3–PFOS and 6-CF3–PFOS had ΔG 

values ranging from 1.4 – 14.6 kJ/mol, where n-CF3-PFOS indicates branching at the 

carbon position ‘n’.183 A more positive ΔG value for br-PFAS indicates that these isomers 

are more likely to be reactive and degraded by reactions with species such as hydrated 

electrons or hydroxyl radicals183  than their linear counterparts. However, it is important to 

note that the study done by Rayne et al (2010) using different models to predict the ΔG 

values of isomers of PFOS and PFOA pointed out the lack of utility of using 

thermodynamic data for PFAS isomeric distribution studies. When the authors studied the 

thermodynamic stability of isomeric forms of alkanes such as hexane and heptane, the 

modelling data agreed with the experimental data in stating that the linear form of alkanes 

was the least stable thermodynamically. The model predicted similar results for PFASs, 

where the L-PFOS and L-PFOA were predicted to be the least stable, with stability 

increasing with branching. The authors attributed this to a lack of thermodynamic data 

available for PFCAs and stated that improved models might be essential for accurate 

datasets147, that could bridge the gap between predicted and experimental data, where L-

PFAS have been found to be the dominant isomers. As a result, although certain models 

may predict L-PFAS as the most stable form under certain conditions, more information is 

needed to accurately predict stability of various PFAS isomers from mere thermodynamic 

data. 

A similar conclusion, favoring the stability of the L-PFASs, however, can also be 

drawn based on the bond dissociation energies (BDE) of L-PFAS and br-PFAS. Previous 

studies have reported that the BDE values ranked in the order of  

tertiary<secondary<primary bonds.192 This means that the initial C-F bond cleavage occurs 
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at the bond with the lowest BDE, i.e., the tertiary C-C bond.192 Thus, it can be expected for 

br-PFASs to behave differently during various physical and chemical treatment processes 

impacting the overall PFAS treatment efficiency.  

 

5.5 Impact of Isomeric Properties on Treatment Performance 

Difference in the physicochemical properties between PFAS isomers and their relative 

levels in source waters can influence the overall treatment efficiency of PFAS. In the case 

of adsorption techniques such as GAC filtration, where the dominant mechanism is 

hydrophobic interaction with contaminants, the L-PFASs tend to show better removal than 

the br-PFASs. This has been reported in previous studies151-153, 155 using GACs as well as 

materials such as Geothite.193 A study involving a pilot scale GAC system indicated that 

the br-PFAS showed earlier breakthrough than their respective linear isomer, attributed to 

better interactions between L-PFAS and GAC.156 In another study involving 2-stage carbon 

filters, the relative percentage of br-PFOS kept increasing in treated waters as water passed 

through the filters.152 This would also imply that the br-PFAS would exhibit an earlier 

breakthrough from GAC columns than L-PFAS.  

In case of adsorption processes involving charged interactions as the dominant 

mechanism, there would be minimal effect on the final L-PFAS : br-PFAS ratio after 

treatment.153, 154 In a previous study that utilized anion exchange resins (AIX) and GAC to 

remove PFCAs, PFSAs and FOSA, similar removals were observed for PFOS, PFHxS, and 

FOSA isomers using AIX, but branched isomers showed lower removals using GAC.153 In 

another study to remove PFCAs and PFSAs utilizing magnetic AIX, identical uptake was 

observed for br-PFAS and L-PFAS.154 As br-PFAS and L-PFAS will have similar 
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electrostatic interactions, we hypothesize that treatment techniques that rely on charged 

interactions with PFAS will not have an observable impact on the isomeric distribution of 

PFASs in treated water. 

The ΔG and the BDE will play a crucial role when considering the interactions of 

PFAS isomers with reactive species during chemical treatment processes. As mentioned 

previously, in certain cases, the br-PFAS possess more positive ΔG (thus more reactive) 

and a lower BDE than L-PFAS. This makes them more prone to an attack by reducing 

species and susceptible to degradation. In a study done to evaluate reductive defluorination 

of PFOS, br-PFOS showed more susceptibility to reductive dehalogenation than L-

PFOS157. When PFOS degradation was performed by electron beam, br-PFOS 

preferentially degraded over L-PFOS attributed to higher electron affinity of branched 

isomers.80 Similar results were observed for PFOS using a UV-sulfite system and using 

photodegradation95 where the br-PFOS degraded faster than L-PFOS due to the tertiary –

CF3 group being more susceptible to degradation.54 In another study done by using UV-

sulfite to degrade PFASs of different chain length and functional group, rate constants for 

degradation for branched forms (>2 h-1) of PFOS, PFHpA, PFHpS, PFHxS and PFOA were 

an order of magnitude higher than the corresponding linear forms (0.018 – 0.440 h-1). 98 

Thus, it can be concurred that contrary to adsorption techniques, destructive treatment will 

enrich the L-PFAS-to-br-PFAS ratio due to the preferential degradation of branched 

isomers.  However, this may not be valid in certain destructive techniques such as 

electrochemical oxidation that employ a two-step mechanism. This technique consists of 

inactive electrodes such as boron-doped diamond or Magneli-phase titanium suboxide 

anodes, where the first step is the adsorption of PFAS on the surface of the electrodes, 
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followed by a direct electron transfer68, 100, 108, 193, 194 (DET) reaction and mineralization of 

the PFAS radical by hydroxyl radicals. As the first step of this technique involves a sorption 

step, the linear isomers would be preferentially adsorbed and partake in the DET and get 

degraded in the process. This may lead to a scenario where more L-PFAS are degraded 

than br-PFAS leading to a possible enrichment in the br-PFAS in the treated water. Thus, 

as more and more destructive techniques involving multi-step mechanisms are looked at 

for PFAS treatment, it is essential to understand the behavior and monitor the final 

concentrations of PFAS isomers.  

 

5.6 Analytical Challenges in Quantifying Isomers of PFAS 

 

Figure 5.2 LC-MS/MS chromatogram representing linear and branched forms of PFOS 

isomers. The response is from a 5 pg injection. 

EPA Methods 537.1 and 533 are commonly used by research and commercial laboratories 

for PFAS measurements in water matrices. However, the fraction of linear and branched 

isomers for the same compound can vary based on the supplier for the analytical standards. 
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This was clearly shown by Vyas et al (2007) that for potassium perfluorooctane sulfonate 

(K-PFOS) from different manufacturers, the percentage of linear form varied from 76.0 ± 

1.9% to 82.2 ± 0.9%.195 Similarly, for perfluorooctane sulfonyl fluoride, linear form 

accounted for 71.8 ± 1.3 to 74 ± 1.6, based on the manufacturer.195 In the majority of 

commercially available PFAS standards and neat materials, the relative mass or 

concentration of linear and branched PFAS is often not reported. 19F NMR is required to 

accurately determine the fraction of the isomeric composition. Although liquid 

chromatography tandem mass spectrometer (LC-MS/MS) can differentiate branched and 

linear PFAS (for PFOS, PFHxS, etc.), the EPA methods require the users to integrate both 

peaks together and report total concentration rather than isomeric-specific concentrations. 

Ideally, the assumption is that the peak area can reflect the mass of the uncharacterized 

isomers in samples. However, the instrument sensitivity, the collision energy, and the 

abundant ion transitions of each isomer is different and therefore can potentially lead to a 

bias in quantification of total PFAS levels. A summary of analytical techniques including 

column specifications, reagents utilized etc. to identify different PFAS isomers by previous 

studies can be found in Table 5.2.  
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Table 5.2  Summary of Analytical Techniques Used for Differentiating Branched and Linear Isomers 

Column Column 

dimensions 

Analytical reagents Injection 

volume 

Instrument PFAS isomers (with 

count) studied* 

Study 

FluoroSep-

RP Octyl 

column 

150 × 2.1 mm, 3 μm 

particle size 

methanol and water 

(3 mM formic acid 

in water, adjusted to 

pH 4.0 with 

ammonia) 

10 μL LC-MS/MS PFOA (4), PFOS (6), 

PFOSA (2) 

Chen et al; 

2015148 

FluoroSep RP 

Octyl column 

150 × 2.1 mm, 3 μm 

particle size 

methanol and water 

(adjusted to pH 4.0 

with ammonium 

formate) 

20 μL HPLC−MS/MS N-EtFOSA(12), FOSA 

(6), PFHpA (4), PFHxA 

(8), PFOA (10), PFOS 

(11), PFNA (11), PFDA 

(3), PFUnA (7), PFDoA 

(18) 

Benskin et 

al; 2007196 

BEH C18 

column 

2.1 × 50 mm, 1.7 

μm particle size 

methanol and 2 mM 

ammonium acetate 

1 μL UPLC MS-MS PFOS (2) Gu et al; 

201654 

Hypersil Gold 

pre-column + 

Betasil C18 

column 

10 × 2.1 mm, 5 μm 

particle size + 50 × 

2.1 mm, 5 μm 

particle size 

respectively 

methanol and water 

(both with 10 mM 

aqueous ammonium 

acetate 

10 μL HPLC PFHxS (2), PFOS (2) Belkouteb et 

al; 2020151, 

Ahrens et al; 

2016197 

Zorbax 

Extend-C18 

column 

2.1 × 50 mm, 1.8 

µm particle size 

methanol and 

ammonium acetate 

in water (pH 6) 

10 μL HPLC + Q-

TOF 

PFOS (8) Trojanowicz 

et al; 201931 

Zorbax 

RRHD 

Eclipse Plus 

C18 column 

100 mm x 2.1 mm, 

1.8 µm particle size 

methanol and 5 mM 

ammonium acetate 

in water 

-  LC-MS/MS PFOS (2) Park et al; 

2020 155 

Zorbax 

Eclipse Plus 

C18 column 

4.6 mm x 100 mm, 

3.5 µm particle size 

3% methanol in 

water and 10 mM 

ammonium acetate 

in methanol 

- HPLC + 

MS/MS 

PFPeA, PFHxA, PFHpA, 

PFOA, PFNA, PFBS, 

PFPeS, PFHxS, PFHpS 

PFOS, FPeSA, FHxSA, 

FOSA, N-TAmP, FHxSA 

(2 for each) 

Rodowa et 

al; 2020156, 

Barzen-

Hanson et al; 

2017198 
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Table 5.2  (Continued) Summary of Analytical Techniques Used for Differentiating Branched and Linear Isomers 

 

C18, 

analytical 

column 

100 × 3.0 mm, 5 µm 

particle size 

methanol and 20 

mM ammonium 

acetate in water 

1 mL QTOF PFOS, PFHpS, PFHxS, 

PFOA, and PFHpA (2 for 

each) 

Tenorio et al; 

202098 

Perfluorinated 

phenyl (PFP) 

phase + X-

Terra C18 

phase 

150 × 2.1 mm, 5 µm 

particle size 100 Å 

pore size + 100 × 

3.0 mm, 3.5 µm 

particle size, 125 Å 

pore size 

respectively 

methanol and 4 mM 

ammonium acetate 

in water 

-  ion trap mass 

spectrometer 

(LCQ 

PFOS (7) Langlois et 

al; 2006199 

Thermo 

Acclaim 120 

C18 column 

+ FluoroSep 

RP Octyl 

column (3 

mm, 

2.1mm150 

mm 

4.6 × 150 mm, 5 µm 

particle size +  2.1× 

150 mm, 3 µm 

particle size 

Acetonitrile and 10 

mM ammonium 

acetate in water 

- HPLC + 

MS/MS 

PFHxS (2), PFOS (6), 

PFOA (6) 

Gao et al; 

201985 

*Note: 2 indicates br (grouped together/single isomer studied) and L-PFAS 
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Previous researchers have also observed in case of PFOS isomers that if the isomer 

profile in the sample and the quantification standards were not identical, this could lead to 

an analytical bias of unknown proportion.144, 200 This was further quantified by a latter study 

that used individual, purified PFAS isomers to compare the response factors, albeit relative 

to the linear isomer. The 1-CF3 PFOS was monitored using a mass to charge (m/z) ratio of 

80 whereas 4,4-CF3 m2- and 4,5CF3-PFOS (br-PFOS) were monitored using a ratio of 99. 

It was observed that at least one PFOS isomer was missing from the final chromatogram, 

irrespective of the product ion used.141, 201 This could lead to underreporting of certain 

isomers, leading to an analytical bias being introduced during quantification. An example 

chromatogram featuring br-PFAS and L-PFAS with different precursor-product pairs is 

shown in Figure 5.2. It is challenging to separate and quantify every single branched isomer 

and therefore it is understandable that EPA Methods 537.1 and 533 only require 

determining linear and "bulk" branched isomers. Transitions 499→80 and 499→99 are 

chosen for PFOS quantification and qualification because m/z 80 and m/z 90 are the most 

common products among all PFOS isomers and m/z 80 gives great sensitivity. A systematic 

bias could also be introduced during analysis if the concentration of branched isomers in 

samples reaches the detection limit. This could lead to the contribution of linear form for 

PFAS to be incorrectly reported as 100%. This bias can be eliminated by reporting the ratio 

of each individually detected branched isomer to the linear isomer.141 

To demonstrate the uncertainty that can occur with different calibration methods, 

as an example here we use K-PFOS standard purchased from Wellington Lab Inc. with 

%L-PFOS of 78.8%. Calibration method 1 involved the addition of peak areas of linear 

and branched isomers, creating one calibration curve to calculate the total PFOS 
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concentration and then calculating linear and branched PFOS concentrations separately 

based on the fraction of the peak area. Calibration method 2 involved the generation of two 

calibration curves based on the peak areas for linear and branched PFOS individually with 

the well-characterized standard, calculating their concentrations separately and then 

summing the values to determine the total PFOS concentration. Both linear and quadratic 

regressions were used for creating calibration curves (Figure 5.3). To simulate the 

uncertainty in these two methods, we fixed the total peak area equivalent to 1 µg-total 

PFOS/L but varied the percentage of the linear isomer's peak from 0% to 100% to calculate 

total PFOS concentrations using Methods 1 and 2. The simulated result is shown in Figure 

5.3. Because the total peak area (linear plus branched) is fixed, the calculated total PFOS 

concentrations by Method 1 was the same regardless of the fraction of L-PFOS (Figure 

5.3(ii) a and b, blue lines). In contrast, the calculated total PFOS concentrations by Method 

2 (Figure 5.3(ii) a and b, red lines) showed a clear deviation from Method 1. Two methods 

have a similar result only if the fraction of L-PFOS in the sample is very close to the 

calibration standard (where the blue and red lines cross, L-PFOS/total-PFOS = ~0.75). The 

deviation becomes greater as the L-PFOS fraction declines or increases. The relative 

percentage deviation (Figure 5.3(ii) a and b, green lines) between two methods can be up 

to 15% in certain cases, and the deviation is primarily contributed by branched isomers. It 

should be noted that such deviation can vary a lot from one analytical batch to another, 

depending on the quality of the calibration curves established. This simulation 

demonstrates that biases could occur merely due to the selection of calibration methods 

and PFAS standards. As a result, the concentrations of L-PFAS and br-PFAS reported in 

the literature and summarized in Figure 5.3 can differ based on the method employed. Thus, 
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for accurate quantitative of PFAS isomers in samples, it is not only important to select 

correct analytical techniques mentioned in Table 5.2 but also the PFAS standards and the 

methods that can distinguish different PFAS isomers.  

 

Figure 5.3 Calibration curves of K-PFOS using (a) linear and (b) quadratic regressions. 

The calibration ranges from 0.010 to 10.0 µg/L. The intercept is forced to zero. 

Simulation of the calculated total PFOS concentration using Methods 1 and 2 with (c) 

linear regression and (d) quadratic regression, as a function of the peak area of L-

PFOS/total-PFOS. Green lines represent the relative percentage difference (RPD) 

between two values calculated by Methods 1 and 2, respectively.  
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5.7 The Need for Testing PFAS Isomers in Source Waters and Treatment Processes 

The scientific community has not recognized the need to differentiate PFAS isomers during 

development and testing of treatment technologies. This is partly due to the absence of any 

differentiation in the regulation of PFAS isomers and limitations with available analytical 

methods as highlighted above. Many U.S. states have proposed stringent drinking water 

limits for selected PFASs in drinking water at concentrations lower than 10 ng/L.202-205 

Changes in the isomeric profile in source water can lead to preferential treatment of L- or 

br-PFAS and depending on the type of technologies used, and some scenarios may lead to 

concentrations exceeding the regulatory limit in treated water. Although the differences in 

properties and the resulting fate of different PFAS isomers during treatment may seem to 

be small, at such low regulatory limits, these differences could influence the overall 

treatment efficiency. For example, the presence of higher levels of br-PFAS in source 

waters can impact GAC performance by reducing the life of the carbon requiring frequent 

changeouts and thus increasing the cost of treatment. For many destructive approaches, 

like advanced oxidation processes (AOPs), the treatment conditions are optimized in 

laboratory settings prior to full-scale operation. If the PFAS isomer profile in the source 

water utilized for the optimization process is different from actual field conditions, the 

treatment technology may not perform ideally to achieve treatment goals.  

This can be elucidated by Figure 5.4 that simulates the PFOS (total) concentration 

after treatment utilizing destructive techniques (Figure 5.4a) and sequestration techniques 

(Figure 5.4b) as a function of L-PFOS in source water. The model considers initial 

concentrations of PFOS in source water to range from 50 ppt to 100 ppt. The extreme 

scenarios are defined by the treatment of PFOS from 100 ppt with the lowest degradation 
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efficiency reported in the literature (black curve) and by the treatment of PFOS from 50 

ppt with the highest degradation efficiency reported in the literature for br-PFOS and L-

PFOS (red curve). The upper and lower limits of the curve are chosen based on analysis of 

EPA’s UCMR3 data that reported a mean PFOS concentration of 77 ppt in source water. 206 

For destructive techniques the model considers efficiencies of 100% (br-PFOS) and 45% 

(L-PFOS) reported for UV-sulfite technique54 to generate the line of highest degradation 

and of 90% (br-PFOS) and 13% (L-PFOS) reported using e-beam technique as line of 

lowest degradation.80 Similarly, the model considers removal efficiencies of 90% (L-

PFOS) and 80% (br-PFOS) using GACs153 and 35 % (L-PFOS) and 25 % (br-PFOS) 

estimated for treatment using coagulation2, 207 as lines of highest and lowest removal, 

respectively. The shaded regions below the corresponding curve represent violation of state 

regulations or federal limits as a function of L-PFOS fraction.  

For destructive techniques (Figure 5.4a), it can be noted that the total PFOS 

concentration post-treatment increases with the increase in %L-PFOS. This can result in a 

violation of California reporting limit (6.5 ppt, notification limit) first and eventually the 

New York State limit (10 ppt) at a L-PFOS fraction of 0.21 for the high degradation 

scenario. As the fraction of L-PFOS increases, the final PFOS concentration (total) can 

violate NJ limit (13 ppt) and NH limit (15 ppt) at L-PFOS fractions of 0.35 and 0.46, 

respectively. A similar trend occurs for the line with lowest removal observed in Figure 

5.4a, however the individual US state violations occur at a much lower fraction of L-PFOS 

in the water, shown by numbers adjacent to the fraction of L-PFOS at which the violation 

occurs, eventually violating the EPA drinking water limit (70 ppt) at L-PFOS fraction of 

0.81.  For sequestration techniques, CA state regulation is violated using coagulation 
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approach to treat 50 ppt of initial concentration of PFAS (Figure 5.4a) but as the fraction 

L-PFOS increase, the system performance improves below CA limit at a fraction of ~0.7. 

It is important to note that this model does not include the interim updated health advisory 

limit of 20 parts per quadrillion or 0.02 ppt published by the EPA208. However, even at the 

lowest initial PFOS concentrations used in the model of 50 ppt and at highest removal 

efficiencies of 90 and 80 % for L-PFOS and br-PFOS respectively, the lowest value attained 

of total PFOS is still ~5.5 ppt, approximately 275 times higher than the interim health 

advisory limit proposed for PFOS of 0.02 ppt.208 
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Figure 5.4 Simulation of total PFOS after treatment using (a) destructive techniques and 

(b) sequestration techniques as a function of fraction of L-PFOS in the source water. Upper 

black curve represents a scenario featuring minimum removal percent efficiencies for L-

PFOS and br-PFOS at (a) 13 and 90%54 and (b) 35 and 25%207, respectively when treating 

a source water with initial total PFOS concentration of 100 ppt. Bottom red curve 

represents a scenario featuring maximum removal percent efficiencies for L-PFOS and br-

PFOS at (a) 45 and 100%80 and (b) 90 and 80%153, respectively when treating a source 

water with initial total PFOS concentration of 50 ppt. Shaded regions below the curve 

represents scenarios showing violation of individual state and federal PFOS limits after 

treatment. Numbers adjacent to the curves indicate fraction of L-PFOS at which a particular 

violation occur.   
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This simulation demonstrates that the same treatment system can violate or abide 

by a regulation limit if the isomeric composition of the source water changes over time. 

This simulation highlights the need for considering the isomeric distribution of PFAS in 

source waters and during the design/selection of treatment approaches for PFAS. This 

critical review highlights the need to consider the following when studying PFASs that 

exhibit isomers: 

1) Standardized analytical methods are needed to differentiate and quantify the isomeric 

forms of PFASs in the source waters. 

2) Violation of federal and state regulatory limits may occur due to inaccurate data 

processing and exclusion of branched isomers from analysis. 

3) Selection and optimization of treatment technologies are contingent on the isomeric 

distribution of PFASs in source waters;  

4) Research needs on degradation rates, reaction mechanisms, and competitive sorption 

of specific isomers in environmentally realistic mixtures; and 

5) Consideration of the behavior and transformation of different isomers of PFAS 

precursors and their impact on the final results of different water treatment 
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TRANSITION 4 

 

In this dissertation, Chapters 2, 3 and 4 focused on e-beam and electrochemical oxidation 

as destructive approaches to breakdown PFAS into less toxic, more manageable 

byproducts. Findings from these studies and the general consensus, based on the current 

literature, revealed that destructive technologies would be more energy efficient if 

combined with a pre-concentration step such as GAC, IX, NF or foam fractionation 

techniques. As a part of a ‘concentrate and destroy’ approach, PFAS concentrations would 

be elevated from ng/L to mg/L or even g/L, with the concentrate treated with a destructive 

technology such as e-beam/DC plasma, UV-ARP technology. By reducing the sample 

volume and the number of treatments necessary, it would make the treatment train approach 

energy efficient and economically feasible.  

Thus far for my PhD dissertation, I focused on remediation of PFAS in aqueous 

matrices. Although  PFAS were primarily considered aqueous contaminants, soil as a 

compartment for PFAS accumulation should not be overlooked. The organic matter in soils 

can provide adsorption sites for the accumulation of PFAS. PFAS can then leach from the 

soil into aqueous matrices such as groundwater and surface water, making the treatment of 

these soils essential to study. Hence, the next chapter of this dissertation focuses on 

remediation of PFAS in contaminated soils.  

  



 

121 

 

CHAPTER 6 

6 AIR-BUBBLING ASSISTED SOIL WASHING APPROACHES FOR PFAS 

CONTAMINATED SOILS 

 

 

6.1 Introduction 

The importance of soils as a potential global PFAS reservoir was first highlighted by a 

study in 2012209, 210  that looked at the concentrations of 13 PFAS in surface soil samples. 

This was an extensive study, with samples collected from 60 locations from 6 countries. 

Interestingly, the samples were collected from locations far from known PFAS-

contaminated locations and estimated the global soil loadings of PFOA and PFOS to be 

1860 and >7000 metric tons respectively.209, 210 A follow up study utilized data from 

previous findings and estimated the average load of PFOA and PFOS to be 1000 metric 

tons.210 These results stated the importance of the vadose zone as a major reservoir for 

PFAS. PFAS accumulated in this zone can serve as a long-term contamination source to 

groundwater, surface water and eventually the atmosphere and biota.  

The term ‘soil remediation’ can be viewed as the management of the contaminant 

as a particular site that aims to minimize or mitigate the damage to health of humans and/or 

the environment. The first step involves the identification of the soils that require 

remediation and evaluation of the contamination and their concentrations. The next stage 

includes setting the remediation objectives, development of remedial strategies and the risk 

evaluation. Remediation strategies are chosen based on the treatment goals, nature and 

concentrations of the contaminants, with the protection of human life and environment, 

considered as key elements.211 Broadly, soil treatment technologies can be classified into 

three categories: (i) physicochemical, (ii) biological, and (iii) thermal. 
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The approaches for soil remediation can be classified as either in situ or ex situ. Gas 

fractionation is an approach that was demonstrated in a recent study to increase the PFAS 

removal nine times compared to other soil remediation approaches212. This was an in-situ 

approach that was impacted by the gas type, the flowrate and the fractionation time212. 

Similarly, more in situ  approaches have been recently investigated for PFAS contaminated 

soils. A recent study showed successful extraction of an undisturbed, 3 m deep, sandy 

vadose zone soil contaminated with aqueous film forming foam (AFFF) by gas 

fractionation enhanced soil washing in Norway, with removal efficiencies ranging from 11-

73%213. However, the efficacy of an in situ process is affected by the soil permeability, 

affected by the undisturbed soil structure214. PFAS tend to preferentially adsorb to air-water 

interfaces in soil pores or micropores and thus, this process can unintentionally permeate 

PFAS beyond the remediation zone and in the surrounding matrix.214  

Soil washing is an ex situ physicochemical technology that has been historically 

used to remove organic and inorganic contaminants such as metals, polycyclic aromatic 

hydrocarbons and polychlorinated biphenyls.214-217 Soil washing can be viewed as the 

removal of contaminants from soil usually by physical and/or chemical separation to 

reduce the volume going to waste or incineration. Compared to in situ approaches, this 

approach offers better handling and control and can limit migration of contaminants into 

the surrounding matrix. For a contaminated site, post excavation. attrition, a wash solution 

is used to aid in extraction of contaminants from the soil phase. The waste solution gets 

concentrated with the chemical of interest and the treated soil can potentially be transferred 

back to the original site.  
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The research on identifying soil washing techniques for PFAS removal from 

contaminated soils is limited.210, 214, 218-220 A study investigated the soil from Eielson Air 

Force Base in Fairbanks, Alaska, which was treated in bench-scale and full-scale studies. 

This was done by collecting three 20 L soil samples and then treating it in three subsequent 

stages; 1) size separation; 2) attrition and 3) chemical extraction using water in a 5:1 liquid: 

soil slurry.219 The soil was mainly contaminated with PFOA, PFOS and PFBS and post 

treatment, enrichment of mainly PFOS and also PFOA was observed on the fines (<0.074 

mm).219 A recent study treated soil contaminated with AFFFs using soil washing and 

studied the influence of grain size, organic carbon and organic matter residue 

(decomposable part of soil) content on PFAS sorption. The Kd values increased in the 

following order: PFCAs<PFSAs<FTS<FOSA, with the fine grained silt and clay fractions 

demonstrating the highest sorption potential due to their high organic carbon content 

(OC).221 The retardation for PFAS of the same chain length increased in the order 

PFCAs<PFSAs<FTS<FOSA, which was directly related to the Kd values of the 

compounds.221 Another study combined soil washing with foam fractionation with 

electrochemical treatment as a three step process to desorb and treat PFAS from 

contaminated soils.222 Soils with <0.4% organic carbon content, contaminated 

predominantly with PFOS were treated and the effect of soil particle size, pH and soil: 

liquid ratios were evaluated. ~95% PFOS was removed by soil washing, ~95-99% through 

foam fractionation and aeration and ~97% removal was achieved using electrochemical 

oxidation, via the three stage treatment. 222 A simulation study modeled the adsorption of 

PFCAs and PFSAs in soils and found a strong correlation between their Kd values based 

only on the soil OC and silt and clay contents and PFAS chain length.223 Organic carbon 
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content of soils was found to the primary factor affecting sorption, while sorption at mineral 

sites, especially for short chain PFAS had as an important contribution for soils with low 

OC and high silt and clay content.223 

It is important to note that these studies identified the organic carbon matter in these 

soils as the primary adsorption sites for PFAS. The organic content (OC) in the previous 

studies ranges from 0-3%214, 219-222, classifying these soils as non-organic/sandy. PFAS 

exhibit the potential to adsorb in organic carbon rich soils, more commonly referred to as 

‘organic soils’ with the approximate OC content>18%. We hypothesized that this could 

lead to a potential strong/irreversible adsorption of PFAS onto the soil, with soil washing, 

alone as a remediation approach, proving potentially insufficient to extract PFAS from soil. 

Hence, in this study, we aim to combine soil washing with aeration/air-bubbling approach 

to reduce the number of treatment steps and to simultaneously extract PFAS from 

contaminated soils. Generated air bubbles can interact with and desorb hard to extract 

PFAS from contaminated organic soils, synergically improving the efficiency of soil 

washing. As demonstrated in Chapter 4, air bubbles can entrap PFAS in the solution onto 

their surface, migrate to the air-water interface and enrich (similar to foam fractionation)98, 

132, 224-226 /aerosolize PFAS. The current study aims to combine air-bubbling with soil-

washing techniques to investigate removal of PFAS from contaminated soils. The 

flexibility of this approach allows it to be used as a stand-alone pre-concentration or a 

treatment in series with other destructive technologies (e.g., e-beam and eAOP  treatment). 

Commercially available soil was mixed with sand/gravel, spiked with PFAS and treated by 

the soil washing-air bubbling system, using an aqueous wash solution. The primary aim of 
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this work was to combine air-bubbling with soil washing to extract PFAS of varying 

hydrophobicity in organic soils. The main objectives of this study were: 

1) Evaluating the effect of bubbling on the extraction of PFAS from soil under varying 

soil-to-water and sand-to-soil ratios (organic carbon content). 

2) Performing a PFAS mass balance to investigate the compartmentalization of PFAS, 

post soil treatment. 

3) Investigate the impact of wash solution pH and cationic surfactants on PFAS 

compartmentalization 

 

 

6.2 Research Questions 

1) How does the extraction efficiency into the solution phase vary with PFAS structure? 

2) Does air-bubbling affect PFAS compartmentalization and improve PFAS extraction? 

3) How do the sand: soil ratios (organic carbon content) and solution pH affect PFAS 

partitioning into the aqueous phase? 

4) Does addition of cationic surfactants impact PFAS extraction efficiency from high OC 

soil?  

6.3 Research Hypothesis 

1) Less hydrophobic and more water-soluble PFAS will migrate better into aqueous 

phase. 

2) Air bubbles can help in the desorption of PFAS from soil due to their surface activity, 

leading to better extraction of PFAS during soil washing process. 

3) Increasing mass of soil will increase organic content, which could induce competition 

and reduce migration of PFAS into the aqueous phase. 
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6.4 Materials and Methods 

6.4.1 Preparation of PFAS-Contaminated Soil 

Commercial premium topsoil (lawn and garden soil conditioner) was purchased from 

Home Depot and sand (C33, no OC, specific gravity of 2.5-2.7) was obtained from 

wastewater research and innovation facility at Stony Brook, NY. Sand and soil were dried 

in an oven at 70°C and grinded using a mortar and pestle and the stones, branches, coarse 

chunks were removed. Sand and soil were mixed in a pre-fixed ratio (75:25 or 25:75) in an 

HDPE container and a known amount (200-300 mL) of DIW was added to form a slurry. 

PFAS was spiked in the slurry from a stock solution (in methanol) and the container was 

placed on an orbital shaker overnight. Post mixing, the container was placed in an oven 

overnight to dry at 70°C. This procedure was followed to uniformly distribute PFAS in the 

test soil. The drying process was not expected to alter the chemistry of the soil as indicated 

in Table 1. The increase in nutrients and OC was likely due to a reduction in moisture 

content after drying.  
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Table 6.1 Characterization of Tested Sand: Soil Mixtures and Comparison with Typical 

Soil Values and Values Utilized by Studies for PFAS Contaminated Soils218-220, 222, 227.* 

low lying, extremely marshy soil. ADL indicates above detection limit 

Sample 

composition 

  75 

soil, 

25 

sand- 

Non 

Dried 

75 

soil, 

25 

sand- 

Dried 

25 

soil, 

75 

sand- 

Non 

Dried 

25 

soil, 

75 

sand- 

Dried 

Typical 

values 

Typical 

values 

(PFAS 

studies) 

 

 

 

 

 

 

 

 

 

 

 

Analyte 

concentration/ 

parameters 

 

pH  7.47 7.27 7.4 7.39  4-8.2 

P  

 

lb/acre 

305 770 166 264 0-137  

K ADL ADL 1011 1461 0-277  

Mg 1169 1749 532 691 0-295  

Ca 5271 ADL 2740 3615 0-1790 1800-

2000 

Zn  

 

 

parts per 

million 

13.11 26.18 5.76 7.82 1-50  

Cu 1.77 3.95 0.93 1.13 0.5-20  

Mn 20.56 65.24 21.3 33.24 25-100 200-300 

B 3.08 5.35 2.27 2.62 0.5-20  

Fe 195.19 265.9 140.4 150.19 50-100 14500-

15000 

S 11.9 506.75 12.68 62.48   

EC mmho/cm 1.13 2.59 0.66 0.99   

Organic 

matter 

 18.6% 20.6% 3.6% 4.8% 0.1-

90*% 

0-3% 

Gravel 

content 

>2 mm 16% 13.5% 16% 13.6%  0-5 

% 

Sand  89% 90% 91% 93%  0.3-

96.5% 

Silt  8% 6% 5% 4%  3-56% 

Clay  3% 4% 4% 3%  0-50% 

CEC meq/100g 18.63 21.37 10.3 13.8 5-25  
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6.4.2 Soil Washing Process 

Prior to utilizing air bubbling combined with soil washing, the operating and treatment 

conditions were optimized to select the ideal conditions for soil washing. The soil: liquid 

(S:L) ratio is an important treatment parameter that can impact the removal efficiency. 

Preliminary experiments were conducted to identify the ideal S:L ratio to ensure i) that the 

soil-water solution level is above the bubbling and sampling port and ii) that the soil-water 

solution does not clog the sampling port/interfere with extraction steps, highlighted in 

6.4.3, iii) the stir paddles made contact with the solution. S:L ratios of 1:5, 1:10, 1:20, 1:50 

and 1:100 were tested and it was observed that at ratios below 1:20, the paddles were unable 

to mix the solution. Previous studies that have utilized soil washing for PFAS remediation 

have used S:L ratios ranging from 1:5 – 1:25218, 219, 221, 222 and hence, for this study, S:L 

ratio of 1:20 was chosen as the favored ratio for soil washing. For the soil, two ratios of 

organic soil: sand were chosen (75:25 and 25:75) to simulate the contamination of PFAS 

in i) an organic soil with high OC (18-21%) and ii) sandy soils, consistent with previous 

studies, with OC <5%. Thus, the results from this study can be applied to treat PFAS 

contaminated soils (either near a manufacturing/discharge source or soils in proximity of  

use of AFFFs) that are classified as low OC/sandy as well as for high OC/organic soils.  

Fixed mass of dried sand-soil mixture was placed in separate HDPE containers and 

known amount of wash solution was added to keep constant soil: water ratios (1:20). The 

containers were placed on a Phipps and Bird’s PB-900™ series programmable jar tester 

setup (Figure 6.1b) and the paddles were carefully connected to the stir rod. Holes were 

drilled in the HDPE bottle and a cylindrical stone diffuser was attached at the bottom, 

bubbling tubes were connected to the ports at the bottom of the container and air-bubbler 
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apparatus was turned on. The mixing speed was set to 100 rpm and the air flow rate was 

set at 0.5 L/min to generate microbubbles and the experiment was run for one hour. 

Duplicates were run for each sample condition and a control (no mixing, no bubbling) was 

also run in duplicates for each batch of operation.  

 

 

Figure 6.1 a) Schematic and b) actual batch column set-up for air-bubbling extraction of 

PFAS from soil. Red circle highlights the connector tube for bubbling.  

6.4.3 Sample Processing 

After treatment, 3 mL of the aqueous wash solution was drawn using a syringe and 

transferred to a 5 mL PP tube. A known amount of surrogate was injected into the sample 

and the sample was centrifuged at 3000 rpms for 3 minutes. The supernatant was carefully 

transferred to a syringe and passed through a 0.22 μm Regenerated Cellulose (RC) 

membrane filter. The final solution was collected in a separate PP tube, diluted 1:1 with 

methanol stored, prior to analysis at 4°C 

The paddles and stir rods were disconnected and the wash solution was carefully 

decanted into separate containers. The remaining soil at the bottom was rinsed with DIW 

and scooped out using a disposable spatula into 50 mL PP tubes and the resulting treated 

soil-water was dried in the oven at 70°C. Post drying, both the dry treated and untreated 

soil was extracted following a modified EPA 1633 method. Briefly, this involved extraction 
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of 0.25 grams of soil (surrogate spiked) using 0.3% methanolic ammonium hydroxide at 

different volumes, followed by water addition to bring up the volume to ~35 mL. To 

remove the methanol, a N2 blowdown was performed until the final volume reached ~10 

mL, after which ~40 mL water was added. The pH of the solution was verified to be ~6-7 

and a solid phase extraction was performed, using Oasis wax cartridges and the final eluate 

was collected in PP tubes and stored for analysis.  

The HDPE containers were washed using water and air dried. Respective paddles 

were inserted and stir rods were connected to the empty containers and methanol was used 

to elute any PFAS absorbed to any surface. The eluate was collected and stored for further 

analysis. 

Finally, the aqueous solution that was transferred into a separate container, was 

passed through a 0.45 μm nitrocellulose filter to filter out non-settleable organic carbon, 

also referred to as ‘fines’ in previous studies. The filter was weighed before and after to 

account for the gain in mass, post filtration. The filter papers were then extracted using 

EPA’s 1633 method, similar to that used for untreated and treated soil. Post SPE, the eluate 

was stored for further analysis.  

6.4.4 Sample Analysis 

An aliquot of the samples was taken out for further dilution (to fall within the calibration) 

and the pH was adjusted to near neutral using 10 % acetic acid (if needed). 10 µL of 100 

μg/L isotopically-labeled standards (M2PFOA, MPFOS) were added prior to analysis to 

provide recovery-corrected PFAS concentrations. Samples were analyzed using an 

Agilent 6495B triple quadrupole liquid chromatography tandem mass spectrometer (LC-

MS/MS) equipped with electron spray ionization (ESI). Details about the MRM 
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transitions, analyte recovery, LC-MS/MS conditions, and analyte recoveries are provided 

in Appendix A,C.   

 

6.5 Results and Discussions 

6.5.1 Treatment of Soil Contaminated with Single Solute PFAS 

Soils spiked with a single PFAS were prepared at a topsoil: sand ratio of 75:25, according 

to methods described in section 4. DIW, as wash solution, was added to maintain a final 

soil: water ratio of 1:20. The concentration of PFAS (single solute) on the untreated soil 

was set at 0.1 μg PFAS/g soil and was measured using the EPA 1633 method as described 

in section 6.4.3.  

 

Figure 6.2 Compartmentalization of PFAS in untreated and treated soils containing 0.1 

μg/g as a single solute of a) PFOA, b) PFOS and c) PFDA after 60 minutes of soil 

washing. Error bars represent variation in duplicate samples. Numbers above the bars 

represent the average percentage of PFAS accounted for, after treatment.  

As seen in Figure 6.2, for PFOA, ~4 ± 23% was extracted from the soil to the 

aqueous phase for the control sample. The extraction efficiencies from the soil phase to the 

aqueous phase for the ‘only mixing’ and ‘mixing and bubbling’ conditions were higher at 

46.5 ± 3% and 46.4 ± 9.3%. Interestingly, bubbling did not improve the extraction 
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efficiency for PFOA. For the tested conditions, the contribution of PFOA from sorption 

loss and unsettled solids was <1% each. For PFOS, mixing alone led to ~27.5 ± 19.2% of 

PFOS extracted from the soil phase into the aqueous phase and this value rose to 41.6 ± 

13.4% for samples that were mixed and bubbled. Bubbling along with mixing led to ~26% 

of PFOS mass which was unaccounted for and is hypothesized to be due to aerosolization 

of PFOS from the aqueous system due to the generated air bubbles. Under similar 

conditions, after one hour of treatment, <1% PFDA compartmentalized in the aqueous 

phase and this number was ~ 1.8 ± 2.9% with only mixing and ~13 ± 0.3% for the mixing 

and bubbling condition. Thus, bubbling did positively impact the extraction of hydrophobic 

PFOS and PFDA into the aqueous phase, compared to the control samples and samples that 

were simply mixed.  

The difference in the extraction efficiencies for the soils contaminated with single 

solute PFAS can be attributed to their adsorption to the organic matter in the soil phase. 

This is represented either by the Kd or the Koc values and is related to the PFAS 

hydrophobicity. The hydrophobicity for the three PFAS studied is PFOA<PFOS<PFDA, 

indicating that PFDA displays higher sorption to organic matter, while PFOA displays the 

least.134, 223  This was confirmed experimentally by a recent study investigating soils 

contaminated due to AFFFs, where the Kd values for PFOA, PFOS and PFDA were ~ 1.2, 

6.5 and 22 L/kg, respectively. The higher the Kd value, stronger is the adsorption to the 

organic phase, resulting in reduced compartmentalization to the aqueous phase.  

We assessed three conditions to improve the extraction of PFDA into the aqueous 

phase; varying the wash solution pH, sand: soil ratio and adding cationic surfactant, 

cetyltrimethylammonium chloride (CTAC). As seen in Figure 6.3b, varying the wash 
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solution pH did not improve PFDA extraction efficiencies with ~85% PFDA still present 

in the soil and ~15% unaccounted for the three conditions tested. This is contrary data 

obtained by previous studies218, 222, where the percentage of PFOA, PFOS and PFDA bound 

to multiple soil samples decreased as the solution pH was increased. This was attributed to  

the electrostatic interactions between the PFAS and the soil, which decreased as the 

solution basicity increased. In one of the studies (OC 0.3-3.1%), PFDA loading on the soil 

in this study was 33 ± 7.5 μg/kg or ~ 0.03 μg/g, 70 % lower compared to 0.1 μg/g, used as 

a part of the current study. In the other study, although the PFAS loading for the two soils 

testes were ~0.78 μg/g and 0.27 μg/g, the total organic content of the soils was 0 and 

0.2%.222 The reaction times used in two studies were 7 days at 45 rpms218 and 24 hours at 

constant mixing222, compared to one hour at 100 rpms, used in the current study. Thus, the 

higher PFAS loadings, presence of organic carbon and lower mixing time is likely to cause 

a lack of impact of variable pH of the wash solution on PFDA extraction from soil.  
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Figure 6.3  Compartmentalization of PFDA contaminated soils for a) no additives, b) 

varying pH for the wash solution, c) 1 mg/L CTAC addition under no pH variation (pH 

7.3) and d) at reduced OC content of soil (soil: sand ratio of 25:75), pH 7.3. Error bars 

represent variation in duplicate samples. Numbers above the bars represent the average 

percentage of PFAS accounted for, after treatment.  

We also added 1 mg/L of CTAC to the wash solution (DIW, no pH adjustment) to 

observe the effect on PFDA extraction. As seen in Figure 6.3c, extraction efficiency for the 

control sample was ~1.6 ± 19%, which increased to ~11 ± 28% with mixing. The extraction 

efficiency for the samples that were mixed and bubbled was ~1.3 ± 14%. Interestingly, we 

detected PFDA in the wash solution, with ~ 13, 7 and 10% of the initial PFDA 

compartmentalized in samples that were simply mixed, mixed and bubbled, and for the 

control sample. Although, addition of CTAC did not lead to a complete extraction of PFDA, 



 

135 

 

it demonstrated a slight increase in migration of PFDA to the aqueous phase. This is 

attributed to the competition between the long chain (C16) surfactant molecule: CTAC and 

PFDA (C10), which could lead to substitution and adsorption of CTAC onto sites 

containing PFDA.228 This was elucidated in a recent study using GAC that showed that the 

adsorbed short-chain PFAS were prone to displacement, upon addition of long-chain 

PFAS.229 Formation of a ion pairs between CTAC and PFAS could also likely improve 

extraction from soil. This latter explanation is speculative and more research is needed to 

promote the PFAS compartmentalization into the aqueous phase to confirm effects of 

cationic surfactant, for the tested conditions.  Thus, addition of a more hydrophobic 

surfactant could lead to the displacement of PFAS absorbed onto contaminated soils. 

However, depending on the toxicity of the chosen additive, it may not be possible to 

transfer the soil back to the source, requiring subsequent remediation.  

Finally, we tested the addition of sand to contaminated soil to reduce the organic 

content of the soil. 6.25 grams of soil (0.4 μg PFDA/g soil) was mixed with 18.75 grams 

of sand, to which 500 mL DIW was added, without any additives. This was to maintain 

concentration of PFDA in the topsoil: sand (25:75 ratio) mixture as 0.1 μg/g. As shown in 

Figure 6.3d, compartmentalization of PFDA in the wash solution/aqueous phase was ~11 

± 4.6 % and ~11 ± 3.2 % for samples only mixed and mixed and bubbled respectively and 

<3% for the control samples. Thus, varying the soil: sand ratio showed slight improvement 

in the extraction efficiency in the wash solution. These results were similar to the 

previously tested condition (CTAC addition), where ~10% PFDA compartmentalized into 

the aqueous phase. Thus, under the tested conditions, we did not observe a significant 
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improvement by i) addition of cationic surfactant, CTAC, b) varying the sand: soil ratios 

and c) combining mixing with air bubbling for PFDA contaminated soils. 

 

6.6 Treatment of Soil Spiked with Equimolar PFAS as a Mixture 

 

Figure 6.4 Compartmentalization of a) PFBS, b) PFOA, c) PFOS and d) PFDA, pre- and 

post-treatment from soil spiked with 0.5 nmol/g of each PFAS. Error bars represent 

variation in duplicate samples. Numbers above the bars represent the average percentage 

of PFAS accounted for, after treatment.  

 

We also tested the extraction efficiency of soil (75 soil, 25 sand) spiked with 0.5 nmol/g of 

PFBS, PFOA, PFOS and PFDA each, without any additives or variation to the wash 

solution pH (DIW, pH ~6). The spiked mass concentrations for PFBS, PFOA, PFOS and 
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PFDA were 0.15, 0.20, 0.25 and 0.26 μg/g respectively. As seen in Figure 6.4a, the 

extraction efficiency of PFBS into the aqueous phase was 64 ± 2.8 % for the control sample. 

This increased to ~84.8 ± 2.7%, when mixed and was ~ 76.7 ± 11.3% when mixed and 

bubbled. For PFOA, without any mixing and bubbling (control), ~13.2 ± 7.4 was extracted 

into the aqueous phase and this number increased to ~60% for samples that were only 

mixed and samples that were mixed and bubbled. It is noted that these numbers were 

calculated based on PFOA concentrations in treated and untreated soil as the mass balance 

for samples only mixed was overestimated by ~18%. Similarly, the extraction efficiency 

for PFOS and PFDA for samples only mixed and mixed and bubbled was ~30%. However, 

~30-40% of PFOS and PFDA was unaccounted for, after the treatment and we did not 

detect either of those PFAS in the aqueous solution. This could be either due to 

aerosolization of hydrophobic PFOS and PFDA during the treatment, adsorption on the RC 

filter or the lack of a representative soil aliquot sample processed and analyzed, post 

treatment.  

The results for both single solute and equimolar PFAS contaminated soil 

experiments demonstrate that under similar conditions, the extraction of PFAS from soil 

into the aqueous phase inversely correlated to their hydrophobicity/Kd values. Compounds 

such as PFDA, with the highest Kd value amongst those tested, did not display significant 

extraction from soil, even with variation in wash solution pH and CTAC addition. This is 

contrary to our results (unpublished) for both long and short chain PFAS in contaminated 

waters, where addition of CTAC showed near complete removal of both PFBS and PFDA 

via foam fractionation. This experiment was performed for waters spiked with PFAS, with 

no organic medium (soil) available for sorption. We also observed a significant 
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improvement in PFAS removal in contaminated waters (unpublished) when bubbling was 

introduced, which was not observed for contaminated soils. This could be attributed to a) 

poor extraction from soil phase, suppressing the effects of bubbling via an air-flotation 

mechanism and b) resorption of PFAS onto readily available organic matter present during 

treatment of contaminated soils.  

 

6.7 Conclusion 

The current study aimed to utilize soil washing assisted with air bubbling as a technique to 

remove PFAS from contaminated, high OC (organic) soils. This was done by spiking 

commercially available topsoil with PFAS, followed by soil washing assisted with air 

bubbling at a constant soil: sand ratio. Results from this study indicated that for PFOA, air 

bubbling did not have an effect on the overall compartmentalization. There was a loss in 

concentration for samples that were mixed and bubbled for PFOS, indicating that 

aerosolization of PFOS extracted from the soil took place. The current setup was unable to 

successfully extract PFDA from the contaminated soil, under similar conditions, with a 

majority of the spiked PFDA still adsorbed onto the soil post treatment. Slight improvement 

(6-13%) in the migration to the aqueous phase was observed with the addition of CTAC 

and by mixing nonorganic sand to contaminated soil prior to soil washing. This was due to 

induction of a competitive effect by CTAC addition for PFAS migration and due to decrease 

in overall organic content of the soil: sand mixture, preventing the possibility of resorption 

of desorbed PFDA respectively.  The addition of bubbling along with mixing to interact 

with the soil did not improve PFDA extraction even with addition of CTAC or sand.  
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However, this effect is expected to be more pronounced if the desorption of PFDA 

from the soil was made possible, by changing the PFAS loadings onto the soil or by 

addition of an anionic surfactant to compete for the adsorption sites onto organic carbon 

present in the soil. Results from the study will inform future researchers about the 

challenges of extracting a range of hydrophobic PFAS strongly adsorbed onto high organic 

content soil, with the aim of developing strategies that can successfully remediate soils 

affected by PFAS contamination.  Thus, future or recommended work on soil remediation 

will focus on i) reducing the organic carbon content to observe the effect of solution pH, 

and additives such as cationic/anionic/non-ionic surfactants in the presence of air bubbles, 

ii) observing the compartmentalization and competition effects of a wider suite of PFAS in 

real world AFFF impacted soils, and iii) varying the clay content of the soils to evaluate 

the impact of soil composition on the removal trends.  
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SUMMARY AND LESSONS LEARNT 

The primary objective of this dissertation was to focus on the application of destructive 

technologies for the remediation of PFAS from aqueous and soil matrices. The first 

technique I investigated was electron beam technology, which utilizes an irradiation source 

to generate a beam of electrons that interact with water to generate oxidizing and reducing 

radicals. I found that the eaq
- can react with and breakdown recalcitrant PFAS in the solution 

and this process is dependent on the water quality (solution pH, dissolved oxygen) and 

operating parameters (dose, dose rate). It was also demonstrated that the solution matrix 

can affect the treatment by scavenging the hydrated electrons and reducing the reactions 

with PFAS molecules and also that short chain PFAS (PFBA, PFBS) show the highest 

resistance to degradation, compared to the longer chain PFOA, PFOS and PFNA. 

Importantly, this study demonstrated a complete transformation of PFAS precursors in real 

world samples, through the oxidative pathway. With so many encouraging results, an 

obvious question is the lack of application of this technique on a more widespread basis. 

This technology is highly energy intensive, as demonstrated in chapter 1, when the wall to 

plug efficiencies are accounted for. This technology cannot be utilized on a bench scale or 

in a flow through system and as it is utilizing a radioactive source, lacks the freedom to be 

freely researched upon. It is true that certain applications of e-beam technology have been 

utilized for full scale treatment of wastewater, considering the energy requirements for 

PFAS treatment, this is not a currently viable option. The ideal way to utilize this 

technology would be to concentrate the PFAS from ng/L to g/L or even higher and treat 

this stream at high e-beam doses (>1000 kGy), reducing the sample volume and number of 

necessary treatments. This can be made more efficient by combining waste streams of 
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multiple contaminants to utilize the oxidative/reductive nature of this technology, enabling 

the ultimate destruction of a suite of contaminants simultaneously.  

Compared to e-beam technology, PFAS destruction by eAOPs has been more 

widely investigated. The current study aimed to identify and fill in the knowledge gaps by 

utilizing a simple two electrode system with a BDD anode and a stainless steel cathode. 

PFAS can migrate to the anode surface, undergo a direct electron transfer, forming PFAS 

radicals. These radicals can be degraded into degradation products, that can potentially 

undergo DET or further degradation. This study demonstrated that the solution anions, due 

to the addition of the supporting electrolyte, do not impact the PFAS removal. The PFAS 

removal was also found to be strongly correlated with hydrophobicity, with short chain 

PFAS showing the poorest removal efficiencies. This is one of the limitations of using 

eAOPs to treat PFAS that needs further investigation. One of the current research directions 

in this field is to improve the removal efficiencies of short chain PFAS is functionalizing 

the anode to improve the electrostatic interactions with PFAS anions. Another approach is 

to modify the solution with additives that can bind with PFAS, migrate to the anode surface 

and undergo degradation as an ion pair. Another limitation is the high capital costs, 

associated with the specially fabricated electrodes, that can increase the overall costs of 

utilizing this technology. The lack of auxiliary chemicals  and high temperatures, ease of 

setup, operation and modification and comparatively lower energy requirements still make 

eAOPs one of the most viable technologies currently for PFAS removal. 

While utilizing these destructive technologies, the percentage degradation was 

calculated based on the initial and final concentrations of the parent compound. While the 

ultimate objective of a destructive approach is to completely transform the PFAS into 
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inorganic fluorine and CO2, this was not achieved for the two approaches studied. This 

means that although a complete degradation of a parent compound occurred, generated 

byproducts still exist in the treated solution as either perfluoro or polyfluoroalkyl 

substances, These daughter products can be equally as persistent and toxic as the parent 

compound and thus, prove a challenge firstly for correctly identifying them through non-

target screening and secondly, treating them effectively. Destructive approaches have an 

advantage over sequestration techniques in that they actually aim to destroy PFAS rather 

than remove it. The question of whether we are solving a single problem or creating a 

hundred new ones can only be answered by further research and careful PFAS screening.  

The concluding chapter provided interesting insights into the mechanisms of PFAS 

sorption onto soils and the process of soil washing. Firstly, the rationale behind this work 

was to improve the soil washing process by addition of an air bubbling component. The 

hypothesis behind this was that the generated air bubbles would collide and interact with 

PFAS adsorbed on soil, leading to a more efficient extraction process. Furthermore, the 

bubbles could entrap PFAS, migrate to the air-water interface, resulting in PFAS 

enrichment. This concentrated PFAS solution at the top could be simply removed, wash 

solution could be reused and the soil could be transferred back to the source. However, 

under the tested conditions, the air bubbling did not significantly improve the extraction 

efficiency. This could be due to the limitations in design of the bubbling setup (bubbles 

generated above the soil layer) or poor interactions between bubbles and PFAS as mixing 

the samples could lead to a bursting of bubbles. The lack of improvement, especially for 

long chain PFAS, with the addition of bubbling needs further investigation. 
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PFDA displayed the poorest extraction efficiency amongst the PFAS evaluated, 

owing to the strong sorption onto the organic matter in soil. The tested conditions did not 

yield a significant extraction of PFDA, post treatment, with most of it still accounted for in 

the organic-rich treated soil. It is necessary to overcome this PFDA adsorption by either 

addition of an anionic surfactant or by changing the PFAS loading onto the soil. Although 

this may prove challenging due to the high Kd value for PFDA, the tested conditions may 

yield significantly variable data if PFDA was extracted from the soil phase. The current 

study used a methanol rinse to elute the PFAS adsorbed on the container and paddles. This 

was done by carefully using a methanol squeeze bottle to rinse the container walks, paddle 

and stir rod. This may prove insufficient if PFAS is strongly bound and a better elution 

approach can be utilized by filling the container with methanol, followed by sonication.  

This dissertation demonstrates the multitude of challenges associated with PFAS 

remediation. Irrespective of whether a destructive or a sequestration approach is taken to 

resolve a particular problem, the unique physicochemical properties of PFAS, which can 

vary significantly with the chain length and functional group, make a ‘one solution fits all’ 

approach largely ineffective. With a more collective approach, careful research and novel 

pathways, I strongly believe that the issue of PFAS contamination can be managed, in the 

near future. As a part of an overall summary of the knowledge gained during the PhD 

journey, I would like to propose Figure 7.1. This is a qualitative figure that can inform 

regulatory agencies, researchers, consultants and utility companies about the treatment 

options available and provide an initial understanding of the stepwise treatment approaches 

needed to achieve PFAS remediation.  

  



 

144 

 

 

 

Figure 7.1 Recommended treatment train for the remediation of PFAS-contaminated 

media.  

Note: ‘1+2’ for soil washing implies that a combination of sequestration followed by destruction need to be 

applied.  
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7 APPENDIX A 
 

APPLICATION OF ELECTRON BEAM TECHNOLOGY TO DECOMPOSE 

PER- AND POLYFLUOROALKYL SUBSTANCES IN WATER  

 

The following sections, figures and tables are supporting information published with the 

manuscript.  

 

A1. Optimization of Sample Container and Volume. 

Preliminary tests were conducted to identify the ideal sample containers for e-beam 

treatment. Three different container materials were tested to assess its interaction with the 

contaminants and treatment efficiency: borosilicate glass, soda lime glass, and 

polypropylene jars. At high e-beam doses (>500 kGy), the soda lime glass became fragile 

post treatment. For both borosilicate glass and polypropylene, we did not observe any 

significant loss of contaminants in our control jars due to adsorption for a period of 14 

days. Four different sample volumes were treated depending on the dimensions of the jars: 

15 mL, 90 mL, 130 mL, and 160 mL. The goal was to maintain a constant sample depth of 

3 cm to match the penetration depth of the electron beam radiation. Preliminary results 

revealed a similar treatment efficiency amongst samples that had different sample volumes 

but the same penetration depth. This is consistent with previous literature that confirms that 

the depth of the water was the determining factor for treatment as long as the irradiation is 

uniform throughout the cross section of the sample container16, 22, 42. 
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A2. E-Beam Accelerator and Dosing 

Fermilab houses a demonstration accelerator (Accelerator Application Development and 

Demonstration, A2D2) that enables proof-of-concept studies. A2D2 is a 9 MeV electron 

accelerator and is provided by a repurposed teletherapy linac. It is a normal conducting 

multi-cell 2.85 GHz accelerator structure. Electrons are generated by a thermionic electron 

gun and is powered by a classic Klystron amplifier. Once the electrons are accelerated, they 

are collimated by thin slits and a 270-degree bending magnet. When combined, these 

electrons have a narrow momentum spread and are well focused leaving the vacuum 

window. With variable settings the machine can provide a maximum of 1.2 kW of beam 

power and electron kinetic energy of 9 MeV. Dosimetry is provided by a NIST certified 

dosimetry system that is available to measure/verify the amount of total dose given to each 

sample. For all samples to be placed in the electron beam, an optical density film is placed 

alongside the sample to measure the dose received by the sample. The dosimetry method 

used to measure absorbed dose for e-beam irradiations was Far West Film dosimetry (FWT-

60, Far West Technology, Inc., Goleta, CA). These 44.5 μM thin radiochromic films are 

derivatives of the family of aminotriphenyl-methane dyes that gradually change from 

colorless to a deeply colored state as a function of absorbed dose. 

A3. TOP Assay 

Total Oxidizable Precursor (TOP) assay was performed for contaminated groundwater 

samples using a modified method outlined in previous studies97, 230, 231. Briefly, 5 mL of 

GW was mixed with 5 mL of reagent stock (600 mM NaOH + 200 mM Potassium 

persulfate (K2S2O8)) with the NaOH: K2S2O8 ratio of 1:3 in samples. Final pH of samples 

was verified to be >13. Samples were gently mixed and placed in a water bath maintained 
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at ~86 °C for 8 hours. Post TOP assay, tubes were placed in a water bath, maintained at 

room temperature for cooling and were stored at 4°C for further processing. Samples were 

then processed via solid phase extraction (SPE) using Oasis WAX Plus cartridges and 

analyzed using LC-MS/MS.  

A4. Q-TOF Methods and Sample Analysis 

q-TOF via methods adapted from previous work10. Briefly, samples were concentrated ten 

times under a gentle stream of nitrogen and 50 uL was injected onto the LC.  Separation 

was performed with flow rate 0.6 mL min-1 using 100% Optima LCMS-grade methanol 

and 20 mM ammonium acetate in Optima LCMS-grade water as the organic and aqueous 

mobile phases, respectively. Detection was carried out in data dependent acquisition 

(DDA) mode screening all mass-to-charge (m/z) ratios from 100 – 1200 Da. Resulting data 

was screened using Agilent Profinder software and the NIST Suspect List of Possible 

PFAS232 v 1.6.0. Peaks were filtered by peak height (> 400 counts), mass error (< 10 ppm), 

match score (70 or greater using the Profinder algorithm based on exact mass match and 

isotope pattern), detection frequency (must appear in at least two of three replicate sample 

injections), and comparison to solvent blanks (peak area must be > 10x a blank solvent 

injection). The remaining 27 features were assigned confidence levels as recommended by 

data published in a recent study233. based on parameters including exact mass match, mass 

spectra, MS/MS fragmentation spectra (when available), retention times, and presence of 

sub-class homologues.  
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A5. True TOF®  Methods and Sample Analysis 

True TOF® is a capability that involves the use of a novel combustion ion chromatography 

(CIC) platform developed by Metrohm . The technology involves a built for purpose CIC 

( Profiler F ) that was developed solely for organofluorine testing. The advantage of this 

method is it can simultaneously quantify total fluorine, or TF (combusted at high 

temperature) and inorganic fluoride (IF) using two parallel IC modules. Subtracting the TF 

from the IF gives you the True TOF® value. The percentage recovery falls within 80 and 

120% and the precision is within 5 - 10%.  

A6. Optimizing Sample Dissolved Oxygen and  

pH to Achieve Highest Degradation Efficiency 

To test the effect of DO concentration, we purged the samples with nitrogen gas prior to 

treatment of PFOA and PFOS at an initial concentration of 100 µg/L   and an e-beam dose 

of 200 kGy. Two target DO concentrations of 4 mg/L and 2 mg/L were tested along with 

no purge condition. Both PFOA and PFOS degradation improved with decreasing DO 

concentration. An improvement of 47% and 23% was observed for PFOA and PFOS, 

respectively, for samples with 2 mg/L DO levels as compared to samples with no purging. 

For samples at 4 mg/L of DO post purging, the improvement was ~12 and 13% for PFOA 

and PFOS, respectively. This is consistent with previous studies that have reported an 

improvement in the degradation of PFAS by purging with N2 or Ar gas31, 77, 78.  

Along with reactive species, water quality parameters such as DO can reduce the 

abundance of eaq
-
 according to Reaction A1. As a result, reducing the DO, improved the 

abundance of eaq
- , and thus enhanced PFAS degradation.   

eaq
- + O2

 → O2
-                                                             (Reaction A1 (k = 1.9 x 1010 M-1s-1)) 
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To identify the optimum pH for treatment, we tested pH 4, 10, and 13 for PFOA and PFOS 

as single solute at 100 μg/L initial concentration and e-beam doses ranging from 250 to 

1000 kGy (Figure SI1). Samples were purged with nitrogen gas prior to treatment to attain 

a DO concentration of 2 mg/L. The highest degradation efficiencies for PFOA (92 – 99%) 

and PFOS (77 – 99%) were observed for samples at pH 13, with increasing e-beam doses 

(Figure SI1). eaq
- can be scavenged by radical-radical combinations with other species such 

as OH., H+ and H. radicals amongst others41. These radicals are formed as a result of water 

radiolysis89 and can reduce the abundance of eaq
- in aqueous solutions, according to 

Reactions A2-5. eaq
- can also react with itself, although at a slower rate, as shown below by 

Reaction 7. 

eaq
- + OH. → OH-                                                                                          (Reaction A2 (k = 3 x 1010 M-1s-1)) 

eaq
- + H+ → H.                                                              (Reaction A3 (k = 2.2 x 1010 M-1s-1)) 

eaq
- + H. → H2 + OH-                                                   (Reaction A4 (k = 2.5 x 1010 M-1s-1)) 

eaq
-  + eaq

- → H2 + OH- + OH.                                          (Reaction A5 (k = 5 x 109 M-1s-1)) 

At pH 4, H+ ions present in the samples can react with and scavenge eaq
-
 from the 

solution according to reaction 5. Due to lower H+ ions present in the solution at pH 13, their 

scavenging effect is reduced, leading to an abundance of eaq
-
 . As a result, more PFAS- eaq

-
  

reactions can occur at alkaline conditions, leading to significant improvement in the 

degradation efficiencies as shown in Figure A1. This is consistent with previous studies 

that have used gamma radiation91, hydrothermal alkaline treatment234 and advanced 

reduction processes involving UV235 and have identified alkaline conditions to be optimum 

to initiate PFAS degradation using eaq
-.  At alkaline conditions, there is a greater 
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concentration of OH- than H+. These OH- can react with eaq
- scavengers such as OH. and 

DO as per Reactions 8 and 916, increasing the reactions between eaq
- and PFAS molecules.     

OH. + OH - → O. - + H2O                                            (Reaction A6 (k = 1.2 x 1010 M-1s-1)) 

O. - + O2 → O3 
. -                                                               (Reaction A7 (k = 3 x 109 M-1s-1)) 

 

 

Figure A.1  Percent degradation of a) PFOA and b) PFOS (total) at different pH 

conditions as a function of e-beam dose. Initial concentration: 100 µg/L. Error bars 

represent standard deviation for triplicate treatments. 

 

 

Figure A.2  Percent degradation of a) PFOA and b) PFOS (total) with increasing e-beam 

doses at pH 13 and 2mg/L of DO. Error bars represent duplicate samples.  
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Figure A.3 Comparison of degradation efficiencies of L-PFOS and br-PFOS at different 

pH and e-beam doses. DO: 2 mg/L. Error bars represent standard deviation of triplicate 

samples.  

.  

Figure A.4 PFAS concentrations for raw a) GW1 and b) GW1 treated with e-beam, c) 

raw GW2 and d) GW2 samples treated at 250kGy, with and without TOP assay. 
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Table A.1  Analytical Method Performance 

Batch# PFAS 

analyzed 

RPD

* 

(%) 

Standard 

addition 

recovery (%) 

 

5 
PFOS 0.3 86 

PFOS 1.6 92 

PFOS 3.0 97 

 

6 
PFOA 2.3 109 

PFOA 1.7 97 

PFOA 0.4 127 

 

7 
PFOA 2.0 85 

PFOS 0.3 104 

PFHxS 2.9 85 

 

8 
PFPeA 2.5 96 

6:2FTS 6.8 90 

6:2 FTS 0.2                 - 

 

9 
PFNA 3.2 151# 

PFBS 0.2 58# 

PFBS 1.0 99 

 

10 
PFHxA 7.0 97 

PFPeA 17.9 81 

PFOS 1.3 80 

 

11 
PFAS mix 3.4 99 

PFAS mix 2.5 96 

 Average 3.0 95 

 stdev 4.0 11 
*RPD = relative percentage difference of duplicate samples 

#These samples were not used in interpretation of results 
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Table A.2  MRM Transitions and Full Forms for All Compounds Studied 

Analyte Full name Internal 

standard 

Precursor 

(m/z) 

Product 

1 
(m/z)* 

Product 

2 
(m/z)* 

Perfluoroalkyl carboxylates (PFCAs) 

PFBA Perfluorobutanoic 

acid 

13C4-PFBA 213 169 - 

PFPeA Perfluoropentanoic 

acid 

13C5-PFHxA 263 219 - 

PFHxA Perfluorohexanoic 

acid 

13C5-PFHxA 313 269 119 

PFHpA Perfluoroheptanoic 

acid 

13C8-PFOA 363 319 169 

PFOA Perfluorooctanoic 

acid 

13C8-PFOA 413 369 169 

PFNA Perfluorononanoic 

acid 

13C8-PFOA 463 419 169 

Perfluoroalkyl sulfonates (PFSAs) 

PFBS Perfluorobutanesulfo

nic acid 

13C3-PFBS 299 80 99 

PFHxS Perfluorohexanesulf

onic acid 

13C3-PFHxS 399 80 99 

PFOS Perfluorooctanesulfo

nic acid 

13C8-PFOS 499 80 99 

Fluorotelomer sulfonate (FTS) 

6:2FTS 1H,1H, 2H, 2H- 

Perfluorooctane 

sulfonic acid 

13C8-PFOS 427 407 81 

*Products 1 and 2 serve as quantifier and qualifier, respectively. 

 

Table A.3  Summary of Treatment Conditions Tested for PFAS 

 

Parameter Studied Contaminant(s) Value Range 

   

pH PFAS pH 4, 10 ,13 

 

Initial concentration 

 

PFAS 

 

100, 500 µg/L   

Dissolved oxygen (DO) PFAS, 2 mg/L – 8.5 mg/L 

 

E-beam dose 

 

PFAS 

 

25 – 1000 kGy 

Co-contaminants PFAS mixture - 

PFOS, PFOA 

Groundwater matrix PFAS mix,  
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Table A.4  LC-MS/MS Conditions 

LC Instrument conditions 

Parameter Value 

LC Agilent G7120A 1290 Binary Pump 

Agilent G7116A 1260 Multicolumn Thermostat 

Agilent G7167A 1260 Multisampler 

Analytical column Agilent ZOBRAX Eclipse Plus C18 

3.0 x 50 mm, 1.8 micron 

Delayed column Agilent ZOBRAX Eclipse Plus C18 

4.6 x 50 mm, 3.5 micron 

Column temperature 50 °C 

Injection volume 5 µL 

Mobile phase A) 5 mM Ammonium acetate in water 

B) Methanol 

Flow rate 0.4 mL/min 

Gradient Time (min) %B 

 0.0 10 

 0.5 10 

 2.0 30 

                              14.0                      95 

                              14.5 100 

Stop time 16.5 minutes 

Post time 6 minutes 

  

MS Instrument conditions 

Parameter Value 

MS Agilent 6495 Triple Quadrupole MS/MS 

Agilent Jet Stream ESI source 

Drying gas temperature 175 °C 

Drying gas flow 17 L/min 

Nebulizer 20 psi 

Sheath gas temperature 275 °C 

Sheath gas flow 11 L/min 

Capillary voltage (Neg) 2500 V 

Nozzle voltage (Neg) 0 V 

iFunnel 

High pressure RF (Neg) 

Low pressure RF (Neg) 

 

90 V 

40 V 
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Table A.5  Characterization of Water Quality Parameters for The GW Samples 

Matrix Ammonia 

(mg N/L) 

TKN 

(mg 

N/L) 

Nitrate 

+ 

Nitrite 

(mg 

N/L) 

Nitrite 

(mg 

N/L) 

TOC 

(mg 

N/L) 

Alkalinity 

(mg/L as 

CaCO3) 

Conductivity 

(μS/cm) 

GW1 0.03 <0.5 0.57 0.01 2.59 1 25.8 

GW2 0.06 <0.5 0.77 0.01 2.80 78.8 90.7 

GW3 1.29 1.7 0.01 0.01 5.50 429.6 208.0 

        

 

Table A.6  Groundwater PFAS Concentration and Increase in PFAS Concentration After 

TOP Assay in Untreated and E-Beam Treated Samples.  

Note: E-Beam Dose: 250 kGy BDL Denotes Below Detection Limit.  

 

Matrix PFAS Background  

PFAS  

concentration     

(ppt) 

PFAS   

concentrati

on  

post TOP  

assay of  

untreated  

sample 

(ppt) 

Percentage  

increase in  

concentration  

post TOP  

assay in  

untreated  

sample (%) 

Percentage  

change in  

concentration 

on post  

TOP assay  

in e-beam  

treated  

sample  

(%) 

 

 

 

GW1 

PFBA 550 6040 988 <10 

PFPeA 710 2310 225 <10 

PFHpA 390 400 <10 <10 

PFHxA 1548 2738 77 49 

PFOA 1830 2080 13 -15 

6:2FTS 1890 90 -95 - 

4:2 FTS 80 BDL -100 - 

     

    

 

GW2                    

PFBA 110 90 -18  

 

TOP assay was 

not performed. 

PFPeA 90 80 -11 

PFHxA 1548 2738 77 

PFHpA 20 20 - 

PFOA 680 1180 74 

 

 

 

 

GW3 

 

PFBA 450 1420 215 -16 

PFPeA 1760 3500 98 <10 

PFHxA 1574 3727 136 <10 

PFHpA 440 640 45 <10 

PFOA 1090 1970 80 -12 

PFNA 200 230 15 - 

6:2 FTS 2710 20 -99 - 

8:2 FTS 430 BDL -100 - 



 

156 

 

 

Table A.7  Calculated EE/O Values of PFAS Treated as Single Solute Samples at 250 

kGy of E-Beam Dose. Ranges Denote Maximum and Minimum EE/O Values Calculated.  

Initial Concentration: 100 µg/L.  

Note: * Denotes EE/O Value for PFBA and PFBS Calculated at 1000 kGy. ** Denotes The Range Of EE/O 

Values for PFOA and PFOS Calculated at E-Beam Doses of 250-1000 kGy.  

PFAS treated Calculated EE/O 

values 

(kwh/m3/order) 

PFBA 139* 

PFBS 503* 

PFPEA 70-174 

PFHXA 63-100 

PFHXS 84 

PFHPA 135 

PFOA      58-140** 

6:2 FTS 49 

PFOS 108-155** 

PFNA 45-265 
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8 APPENDIX B 
 

9 EFFECT OF CHAIN LENGTH, ELECTROLYTE COMPOSITION AND 

AEROSOLIZATION ON THE REMOVAL OF PER- AND 

POLYFLUOROALKYL SUBSTANCES DURING ELECTROCHEMICAL 

TREATMENT OF WATER 

 

This contains supporting information submitted along with the manuscript. 

 

Table B.1  Variation of Anodic Voltage in Solutions Containing Different Electrolytes 

With Varying Applied Voltage.  

Note: Solution Conductivity Maintained at 1000 ms/cm  

Applied 

voltage 

Anodic voltage vs Ag/AgCl in 

 
Na2SO4 NaCl NaNO3 

    

5 3.6 3.5 3.5 

7.5 5.6 5.5 5.5 

10 7.6 7.5 7.5 

12 9.2 9.1 9.1 

15 11.6 11.5 11.5 

20 15.7 15.5 15.5 

28 22.3 22.1 22.1 
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Table B.2  Average Surrogate Recoveries for PFAS Using Wax Cartridges 

PFAS 

analyzed 

Average SPE 

surrogate 

recovery (%) 

PFBS 104 

PFOA 95 

PFOS 89 

6:FTS 88 

PFNA 90 

Average 93 

stdev 6 

 

 

 

Figure B.1  Schematic of the eAOP system 
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10 APPENDIX C 

11 AIR-BUBBLING ASSISTED SOIL WASHING APPROACHES  

FOR PFAS CONTAMINATED SOILS 

 

Table C.1  Average Surrogate Recoveries for PFAS Using Wax Cartridges and Average 

Standard Addition Recovery in soil Spiked Prior to Soil Washing 

PFAS 

analyzed 

Average SPE 

surrogate 

recovery* 

(%) 

Average SPE 

surrogate 

recovery** 

(%) 

Average 

standard 

addition 

recovery 

(%) 

PFBA 88 -  

PFBS 75 -  

PFOA 85 -  

PFOS 76 52 25 

PFDA 90   

* Recovery calculated in soil 

** Recovery calculated in non-settleable organic carbon phase 
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