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ARTICLE INFO ABSTRACT
Editor: Daniel Wunderlin Globally, riverine system biodiversity is threatened by a range of stressors, spanning pollution, sedimentation,
alterations to water flow, and climate change. Pesticides have been associated with population level impacts on
Keywords: freshwater invertebrates for acute high-level exposures, but far less is known about the chronic impact of
Pesticides episodic exposure to specific classes of pesticides or their mixtures. Here we employed the use of the UK Envi-
Macrqinvertebrates ronment Agency's monitoring datasets over 40 years (covering years 1980 to 2019) to assess the impacts of AChE
Pollution . . . N . . .
Rivers (acetylcholinesterase) and GABA (gamma-aminobutyric acid) receptor targeting pesticides on invertebrate
Field family richness at English river sites. Concentrations of AChE and GABA pesticides toxic to freshwater in-
Laboratory vertebrates occurred (measured) across 18 of the 66 river sites assessed. For one of the three river sites (all found

in the Midlands region of England) where data recorded over the past 40 years were sufficient for robust
modelling studies, both AChE and GABA pesticides associated with invertebrate family richness. Here, where
AChE total pesticide concentrations were classified as high, 46 of 64 invertebrate families were absent, and
where GABA total pesticide concentration were classified as high, 16 of 64 invertebrate families were absent.
Using a combination of field evidence and laboratory toxicity thresholds for population relevant endpoints we
identify families of invertebrates most at risk in the selected English rivers to AChE and GABA pesticides. We,
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furthermore, provide strong evidence that the absence of the invertebrate family Polycentropodidae (caddisfly)
from one field site is due to exposure effects to AChE pesticides.

1. Introduction

Globally riverine systems are experiencing a diverse range of
stressors including changes in hydro-morphology, nutrient enrichment,
invasive species, and toxic substance exposure, that are affecting their
ecological status and leading to freshwater biodiversity declines (Dud-
geon et al., 2006; Living Planet Report, 2020; Lemm et al., 2021). Of
these stressors, chemical pollution is a dominant force driving declines
of some freshwater biota (Dudgeon et al., 2006; Vaughan and Ormerod,
2012). Exposure to chemical pollutants including metals, petrochemi-
cals, and pesticides have been shown to cause population level impacts
on riverine invertebrate communities (Clements, 1994; Scoggins et al.,
2007; Beketov et al., 2009; Byrne et al., 2013). Specifically with regards
to pesticides, impacts on invertebrate communities, these have been
noted worldwide, including from South America, Africa, USA and
Europe (Schriever et al., 2007; Beketov et al., 2013; Chiu et al., 2016;
Hunt et al., 2017; Macchi et al., 2018; Beuter et al., 2019; Ganatra et al.,
2021). Pesticides shown to impact on riverine invertebrate communities
around the world largely belong to the pyrethroid and organophosphate
classes (Schriever et al., 2007; Beketov et al., 2013; Chiu et al., 2016;
Hunt et al., 2017; Macchi et al., 2018; Ganatra et al., 2021).

In the UK improvement in general water quality due to wastewater
treatment regulations invoked in the 1990s by the EU Urban Waste
Water Treatment Directive (reducing BOD; Biochemical oxygen de-
mand, metals and ammonia) and EU Nitrate Directive (reducing nitrate)
(Vaughan and Ormerod, 2012; Whelan et al., 2022) have led to im-
provements in freshwater invertebrate family richness. However,
chemical stressors may still be impacting upon riverine invertebrate
biodiversity, as these assessments compare with baselines from the time
of the industrial revolution, where pollution levels were extremely high
(Whelan et al., 2022). This in turn may lead to assumptions that
chemical pollution is now having little impact on biodiversity (Vaughan
and Ormerod, 2012; Outhwaite et al., 2020; Whelan et al., 2022)
whereas in fact some measures of water quality (e.g. dissolved organic
carbon, nitrogen, phosphorous) in some agricultural catchments are
worse now than before the 1960s (Whelan et al., 2022). Furthermore,
specific cases of localised deterioration in invertebrate richness have
been reported, as in the case for freshwater Mollusc taxa that continue to
see declines in Britain (Vaughan and Ormerod, 2012; Outhwaite et al.,
2020).

The impact of metals on riverine invertebrates' richness in the UK
have been the focus of much research over the past few decades, how-
ever, other chemicals, and notably pesticides have received less atten-
tion (Dowson et al., 1996; Hirst et al., 2002; Jarvis and Younger, 2006;
Amisah and Cowx, 2011; Byrne et al., 2013; Gething et al., 2020; Walker
and Hassall, 2021). Most UK freshwater pesticide studies have also
centred around spill events (Dowson et al., 1996) with very few UK
studies assessing the chronic and/or episodic exposure effects. They
have also tended to focus on single chemicals (e.g. the effects metalde-
hyde determining invertebrate family richness in the Anglian region of
the UK; Gething et al., 2020). In Europe, South America, USA and Africa
findings on pesticides in freshwater environment have indicated sig-
nificant impacts on invertebrate family richness and evenness, with
losses of taxa up to 42 % (Beketov et al., 2013; Chiu et al., 2016; Hunt
et al., 2017; Macchi et al., 2018; Ganatra et al., 2021). Furthermore,
some of these effects have been reported to occur for concentrations
otherwise reported to be environmentally protective (Beketov et al.,
2013). This perhaps is not surprising, given that risk assessment has to
date been conducted on a single chemical basis and pesticides in com-
bination can be additive, synergistic or antagonistic in their effects.
Building understanding on the effects of pesticides collectively on

invertebrate family richness is much needed, albeit the ways in which
mixtures of pesticides interact to affect an organism are complicated and
difficult to predict (Day and Scott, 1990; Loureiro et al., 2010; LeBlanc
et al,, 2012; Wang et al., 2015). Investigating pesticides impact on
invertebrate family richness from a mode of action perspective offers a
useful approach as the relative sensitivity of invertebrates is dependent,
at least in part, on these molecular target sites, and this is well docu-
mented for arthropods (Rico and Van den Brink, 2015). Factors in
addition to the mode of action of pesticides that affect the extent to
which freshwater invertebrates may be impacted, include the exposure
dose/regime, species, aspects of water physiochemistry and water flow.

Pesticide half-lives vary, as does their application rates to fields over
a given season and across farm types. Pesticides such as carbamates,
organophosphate (AChE targeting pesticides) have relatively lower level
persistence in the environment (Mdeni et al., 2022), whereas organo-
chlorine pesticides (GABA targeting pesticides) tend to be highly
persistent (Jayaraj et al., 2016). In many cases organisms will be sub-
jected to repeat exposures to pesticides and this can have a crucial
bearing on their relative toxicity (Dohmen et al., 2016). Even for some
non-persistent pesticides, such as carbamate and organophosphates,
they can be highly toxic to freshwater invertebrates as determined by
laboratory toxicity studies. The toxicity of pesticides, however, differs
depending on the taxa — with some taxa being more sensitive due to
factors including aspects of their life history, traits, genetics etc., (Rico
and Van den Brink, 2015; Van Den Berg et al., 2019). Water quality
parameters, such as pH, temperature, flow, and salinity can affect both
the persistence and potency of pesticide active ingredients, hence the
effect of pesticides can be situation (river) specific (Heugens et al., 2008;
Stampfli et al., 2013; Bray et al., 2021a, 2021b; Macaulay et al., 2021).

Adopting a case-study type approach here we demonstrate how we
can use long-term monitoring datasets and laboratory toxicity infor-
mation to assess for relationships between exposure to pesticides with
specific mode of actions and the invertebrate family richness of riverine
sites and determine sensitive/tolerant taxa. The Anglian and Midland
regions of England were chosen for these analyses because they have
significant levels of arable farmland and where there is potential for
significant impact of pesticides on riverine invertebrate communities
(Poyntz-Wright et al., 2023). However, the Midland region has experi-
enced lower pesticide application rates than the Anglian region over the
past 40 years, and consequently has seen a dramatic improvement in the
average number of pesticide sensitive species present compared to
Anglia (Poyntz-Wright et al., 2023). The study focused on AChE and
GABA acting pesticides that include 3 of the 4 main classes of pesticides
used in agriculture in England (Kadiru et al., 2022). We hypothesised
that, both AChE and GABA pesticides would play a significant role in
determining freshwater invertebrate family richness in sites where up-
stream land-use was largely dominated by arable farming in England.
Further, we sought to identify if certain families were more sensitive to
these pesticide groups through a combination of our field-based analyses
and published information on laboratory-based data on toxicity
thresholds for individual pesticides based on population relevant end-
points. In these analyses we also highlight where data are most needed
to build further on this type of approach for understanding in-
terrelationships between invertebrate populations and exposure to
specific classes of pesticides.

2. Method
We employed the use of the UK Environment Agencies monitoring

data over 40 years, collected between years 1980 to 2019, focusing on
the geographical regions of Anglian and the Midlands with the aim of
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understanding if pesticide pollution in selected riverine surface waters
in England has been a significant factor in determining invertebrate
family richness. The Anglian and Midland regions are dominated by
arable land-use with higher than average percentages of arable land use
in England (78 % and 61 %, respectively) and as such greater overall
insecticide (GABA and AChE) application/pollution (Schletterer et al.,
2010; Smith et al., 2018; Gov.UK, 2023a, 2023b, 2023c; Poyntz-Wright
et al., 2023). Other regions in England, particularly the southeast, more
northerly regions and southwest are generally dominated more by pas-
toral farming and lesser impacted by pesticides, hence not focused on in
this study (Smith et al., 2018; Poyntz-Wright et al., 2023). We further
use laboratory-based evidence from the peer review literature to assess
invertebrate family sensitivity to pesticides to support the case for
pesticide impacts on family richness for the field study site findings.

2.1. Data collection

Macroinvertebrate, water quality (air temperature (°C), pH, ortho-
phosphate, ammonia (mg/1), ammoniacal nitrogen (mg/1), nitrite (mg/
1), nitrate (mg/1), BOD (mg/1), dissolved oxygen (mg/1), oxygen satu-
ration (mg/1), suspended solids (mg/1) and pesticide (pg/1)) and site
characteristic data (altitude, land-use etc.,) for Anglian and Midland
regions of England were sourced from ChemPop, CEH BIOSYS database
(https://environment.data.gov.uk/ecology/explorer/) and Environ-
ment Agency's WIMS databases (https://environment.data.gov.uk/wate
r-quality/view/landing). Laboratory toxicity test information for the
pesticide effects on invertebrate families was collected from the ECO-
TOX database (https://cfpub.epa.gov/ecotox/search.cfm).

2.2. Riverine site selection for pesticides impact assessment

Sites with both invertebrate and pesticide (as well as water quality/
site characteristics) data were identified using qGIS mapping (the list of
included pesticides is provided in the supplementary material S1). Sites
were only included in our analysis if the distance between chemical and
biota collected data was <100 m and there was no substantial difference
in land-use between these sampling points (i.e. no major differences in
road infrastructure, field use, housing development etc.) to avoid,
wherever possible, potential compounding factors that may alter phys-
iochemistry of water between the biota and chemical sample site. This
approach was adopted to maximise likelihood that the chemical samples
were representative of areas for the biota samples. Of the 66 selected
sites identified, 30 were from the Anglian region and 36 from the Mid-
lands region; monitored between 1980 and 2019. We classified all
pesticides detected at riverine sites into groups based on their main
mode of action (MoA), identifying those which were GABA- and AChE-
targeting pesticides (see Table S1). GABA pesticides are neurotoxic
pesticides, targeting the GABA-gated chloride channel blocking func-
tion, and result in reduced neural inhibition leading to hyper-excitation
of the nervous system (Gant et al., 1987; Bloomquist, 1993). AChE
pesticides, that are also neurotoxic, target the AChE receptor inhibiting
its function to degrade acetylcholine (ACh), which is an essential
neurotransmitter of the central nervous system (Mladenovic et al.,
2018).

2.3. Potential pesticide hazard to riverine invertebrates based on
laboratory toxicity data

To highlight where a potential risk of pesticides to invertebrates may
occur in the English rivers studied, we compared the laboratory derived
toxicity data for the target pesticides for relevant invertebrate species, to
the concentrations recorded at riverine sites across the Midland and
Anglian regions. For this analysis, we gathered all available toxicity data
for each pesticide (active ingredient) for the endpoints of growth,
development, reproduction and mortality for each invertebrate family
found at the riverine study sites. Acute exposure studies were defined as
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<7 days, whereas chronic (and sub-chronic) were >7 days. All life stages
and test conditions (pH, temperature etc.) were included. Due to the
limited number of studies available for some chemicals, data from
studies with both measured and nominal test concentrations were
included. For studies with measured pesticide concentrations a pre-
requisite for inclusion in our analysis was experimental repeats, and
mean concentration was used in analysis and only water-borne exposure
studies were included in our analyses. We then compared the acute
laboratory toxicity concentrations with the maximum concentration of
pesticides' measured (i.e. worst case scenarios) from the 66 riverine sites
across Midlands and Anglian regions (Environment Agency WIMS
database). The laboratory derived effect concentrations were selected
based on the minimum concentration for which a significant (>EC50/
LC50) toxic effect on growth, development, reproduction and/or mor-
tality occurred for an invertebrate in each family occurring in English
rivers (see Table S3 for all documented chemical toxicity concentrations
for the invertebrate families). Due to limited toxicity data, we were not
able to apply the ‘Criteria for reporting and evaluating ecotoxicity data’
(CRED) system that is specifically designed for the evaluation of eco-
toxicity data for regulatory use; Moermond et al. (2016).

2.4. In-field analysis of pesticide impact on invertebrate family richness

We chose to average all water quality (including pesticide) data over
the 36 days preceding the collections of invertebrate samples to provide
‘average water quality exposure conditions’ that the invertebrates
experienced in days prior to sampling (see Fig. 1). The time period of 36
days was chosen to balance maximizing the dataset (number of coin-
ciding pesticide and biota observations), whilst limiting the possible
variation due to seasonal changes in pesticide use and changes in
invertebrate presence/absence throughout the year. Pesticide concen-
trations measured below the LOD (limit of detection), were considered
at the LOD for this study. Family richness - the number of unique fam-
ilies present in each sample - was produced from the invertebrate sam-
pling data (see Table S2 for all species and families present at all sites).
Studying family richness was adopted as an holistic approach for un-
derstanding of interrelationships between exposure to both selected
pesticides and other water quality variables' on the entire community,
making no assumptions for which taxa may be more or less sensitive to
these effects (see: Bray et al., 2021b). Water quality variables' data were
averaged over 36 days due to sporadic sampling. We were not able to
confidently identify actual maximum or minimum values for pesticides
at these sites because of the sporadic sampling across the sites meant
these timepoints were likely missed. Thus, average values provide more
reliable estimates for assessing variable pressures in study sites.

The limited number sites for which there were matching biota and
water quality data resulted in the requirement to remove many riverine
sites from subsequent modelling analyses; to provide a good level of
confidence for the analyses (reduce type 1 error), only sites with >30
observations for biota-water quality data were selected (Warton et al.,
2016). This resulted in only 3 sites (all from the Midland region) for
modelling the relative influence of pesticide groups (based on MoA)
compared with water quality variables on freshwater invertebrate
family richness, but these sites provided a high-quality data set. Across
the three sites, arable land-use accounted for 59.67 % (site 1), 6.33 %
(site 2) and 11.61 % (site 3) of upstream land-use.

2.5. Identification of invertebrate families susceptible to pesticides

Where impact of pesticides on family richness was determined
through modelling, we then used laboratory toxicity data (effect con-
centrations) to determine which families of those recorded at the
riverine site were most likely to be sensitive to AChE/GABA pesticides
recorded in the river based on population relevant endpoints (repro-
duction, growth, development and mortality).

Following this, we compared the individual AChE/GABA pesticides'
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Fig. 1. Methodological diagram detailing the processing, selection and analysis of biota and water quality field data.

laboratory toxicity effect concentration for invertebrate families to field
data AChE/GABA pesticides' concentrations (per family) to determine if
laboratory-based effect concentrations were exceeded at the riverine site
(site 1). Then we looked at the presence/absence of invertebrate families
in riverine site against total AChE/GABA riverine concentrations, to
determine if the exceedance/non-exceedance of laboratory effect con-
centrations per family matched the occurrence of family against field
site total recorded AChE/GABA concentrations.

This was done to assess whether the pesticide concentrations recor-
ded in rivers might relate to the absence/loss of invertebrate families; i.
e. where laboratory based toxicity effect concentrations (both acute and
chronic independently) were exceeded in the field, did this coincide
with the absence of an invertebrate family.

For some pesticides, laboratory invertebrate toxicity effect data were
not available, including isodrin, HCH-alpha/beta/delta and endosulfan
(GABA pesticides) and demeton-s-methyl and dichlorvos (AChE pesti-
cides) — that all occurred at site 1.

2.6. Statistical analysis

We used R Core Team (2021) version 4.2.1 to conduct all statistical
analyses, and QGIS (2022) version 3.10.13 for regional mapping. We
used the R packages Ime4 (Bates et al., 2015) to fit generalised linear
models, Dharma (Hartig, 2022) to check model fit and for over-
dispersion, ggplot2 (Wickham, 2016) to produce graphs and sjmisc
(Liidecke, 2021), sjlabelled (Liidecke, 2022), sjPlot (Liidecke, 2023),
corrplot (Hahsler et al., 2008), FactoMineR (Husson et al., 2023), fac-
toextra (Kassambara, 2020) for PCA analysis and jtools to determine 95
% confidence intervals (Long, 2023). All code and analyses required to
reproduce these analyses are provided online at https://github.com/Imo
genPW/Assessment-of-the-impacts-of-GABA-and-AChE-targeting-pest
icides

Principal component analysis (PCA) was carried out for each site per
pesticide group, to enable dimension reduction for site-level water
quality predictors including pesticides (see Fig. 1). Water quality data
was normalised (centred) before calculating components. Site PCA

provided components (PC1, PC2 etc.) that were added to a generalised
linear model with Poisson errors to determine the extent of which
pesticide groups impacted family richness relative to other water quality
variables (See Fig. 1). We fitted family richness as response and principal
components (>80 % variance) as fixed effects, along with time (day in
year and/or year) as an additional fixed effect. We identified pesticides
as important drivers of invertebrate richness where PCs (Principal
Components) containing pesticide variables were identified as
significant.

We performed model selection using an information theoretic
approach to rank models based on their support in the data using AICc.
We considered all models within A6 AICc unit of the top model to have
similar levels of support in the data.

3. Results
3.1. Pesticide concentrations hazardous to riverine invertebrate families

The maximum concentrations for 11 out of 48 AChE and GABA
targeting pesticides recorded in the 66 rivers assessed were found to be
equal to, or exceed, laboratory concentrations, which cause significant
acute toxic (>EC50/LC50) effects on at least one riverine macro-
invertebrate family (Fig. 2, Figs. S1-3). The exceedance of laboratory
toxicity concentrations in the Anglian and the Midlands rivers, suggest
there is potential for harm from AChE and GABA pesticides. For site 1,
fipronil, diazinon, dichlorvos and parathion-methyl concentrations
exceeded the EC50's/LC50's, whereas for site 2 and 3, parathion-methyl
concentrations exceeded laboratory toxicity threshold concentrations
(Fig. 2, and Fig. S4).

3.2. Freshwater invertebrate family richness associations with pesticide
exposures

Of the 3 sites assessed, one site in the Midlands region (site 1) indi-
cated that pesticides have an important role in determining freshwater
invertebrate family richness. This was the case for both AChE (n = 44)
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Azinphos-methyl (LC50 — 0.1ug/l)

Carbaryl (EC50 — 0.93ug/l)

Diazinon (LC50 — 0.164ug/l)

Dichlorvos (EC50 - 0.06pug/l)

:
S

Fenitrothion (LC50 — 0.021pg/1)

Malathion (EC50 — 0.0479ug/1)

Mevinphos (EC50 - 0.18ug/l)

Parathion-methyl (LC50 — 0.00031ug/l)

Phorate (LC50 — 0.06pug/l)
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Fipronil (EC50 — 0.0075ug/l)

Study area

O <0.001

O 0.001 - 0.009
© 0.01-0.09
@ 0.1-09

® 1.0-5.0

-0 ® > Laboratory threshold

Propoxur (LC50 — 0.034ug/l)

Fig. 2. Maximum pesticide concentrations (ug/1) detected in riverine waters from the Midlands and Anglian. Black dots represent concentrations which exceed a
minimum significant acute toxicity concentration of a relevant macroinvertebrate family (laboratory data acquired from ECOTOX database). AChE acting pesticides;
Azinophos-methyl, Carbaryl, Diazinon, Dichlorvos, Fenitrothion, Malathion, Mevinphos, Parathion-methyl, Phorate, Propoxur. GABA acting pesticides; Fipronil.
Yellow outlined dot is site 1. Blue outlined dot is site 2. Pink outlined dot is site 3. (For interpretation of the references to colour in this figure legend, the reader is

referred to the web version of this article.)

and GABA (n = 59) pesticides where they were found to be significant in
explaining variation in family richness, as illustrated in Fig. 3 and
Table 1 (the best supported models in both cases contained PCs domi-
nated by variables associated with pesticide use; Tables S4 and S5).
Water quality variables were also factors in determining family richness,
alongside pesticides, particularly for AChE (see Fig. 2a). Ammoniacal
nitrogen, ammonia, BOD, dissolved oxygen and orthophosphate in
combination with AChE pesticides were found to be important in

determining invertebrate family richness (Fig. 3, PC1). Temperature too
appeared to be an important factor in combination with GABA pesticides
in determining family richness (Fig. 3, PC3).

3.3. Invertebrate families most sensitive to pesticides (based on laboratory
exposures)

Laboratory exposure data for AChE and GABA acting pesticides for



LP. Poyntz-Wright et al.

A

Contribution of variables to PC1

a

20

10

Contributions (%)
o ]

Ammoniacal Nitrogen -
Ammonia-
Dissolved Oxygen -

BOD-
Orthophosphate -
AChE pesticide -
Temperature -

pH-

pH-

Temperature -
Orthophosphate -
Ammoniacal Nitrogen -

B Contribution of variables to PC1

-
g &
1]
@ 20-
o
=
=
o
= o
e 10- =
o
[3)

o-

c:. D_

Ammonia-
BOD-
Orthophosphate -
Temperature -

GABA pesticide -
Orthophosphate -
BOD-

.
c
@
=3
g

Z

®
o

8
c
<]
£
£
<

Fig. 3. Contribution of different water quality parameters compared with pesticide group in each principal component at study site 1; A) AChE pesticides, B) GABA
pesticides. Variables in addition to pesticides are ammoniacal nitrogen, ammonia, BOD (Biochemical oxygen demand), orthophosphate, temperature, pH and dis-
solved oxygen. The red dashed lines represent the expected average contribution if all variables were uniform (1/number of variables); average contribution of
variables in A) is 12.5%, whereas B) is 14.3%. Best supported model for site 1, supported PC1 for AChE and PC3 for GABA - both of these PCs show greater
contribution of pesticide than observed in other PCs. (For interpretation of the references to colour in this figure legend, the reader is referred to the web version of

this article.)

Table 1

Fixed effect interaction models output for site 1 (linear) — Principal components
and Family richness. Parameter estimates from the best supported models
examining impact of (A) AChE pesticides principal components and (B) GABA
pesticides principal components on family richness. Model selection was sup-
ported by AICc (Table S4 and S5).

Estimate 2.5 % interval 97.5 % interval

AChE pesticides

Intercept 3.283 3.114 3.454
PC1 —0.075 -0.114 —0.037
Day in year —0.001 0.002 0.000
GABA pesticides

Intercept —30.440 —43.057 —17.827
PC3 -0.113 -0.178 —0.048
Day in year 0.001 0.000 0.002
Year 0.017 0.010 0.023

*AChE best model: AICc is 258.56, weight 0.107 and r? (Cragg-Uhler) 0.287, 2nd
best model 258.68, weight 0.101 and r? (Cragg-Uhler) 0.286. GABA best sup-
ported model: AICc is 344.39, weight 0.221 and r? (Cragg-Uhler) 0.511, 2nd best
model 344.44, weight 0.216 and r? (Cragg-Uhler) 0.527.

Contribution of variables to PC2

Contribution of variables to PC2
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the invertebrates monitored at site 1 was limited. However, for the data
available, we found that toxicity thresholds varied considerably be-
tween families, with differences in some cases of several orders of
magnitude, as illustrated in Table 2. For AChE acting pesticides, the
invertebrate families amongst those most sensitive included Hydro-
psychidae, Polycentropodiae, Simulidae, Baetidae, Notonectidae, Culi-
cidae, Limphenilidae, Halplidae, Asellidae and Chironomidae.
Gammaeridae were particularly sensitive to AChE pesticides, with the
exception of dimethoate and fenthion. Importantly, toxicity sensitivity
for several families varied considerably too for different individual AChE
pesticides (in some cases families were very sensitive to some AChE
pesticides and insensitive to others). This was particularly the case for
Asellidae, Culicidae, Simulidae, Limphenilidae, Notonectidae and Chi-
ronomidae. For GABA acting pesticides, families amongst the most
sensitive included, Asellidae, Notonectidae, Halipidae, Gammaridae,
Chironomidae, Hydrophilidae, Dystiscidae, Corixidae and Limnephili-
dae. However, as was the case for AChE pesticides, family sensitivity
varied considerably depending on the individual GABA pesticide,
notably for the families Asellidae, Halipidae, Gammaridae, Chironomi-
dae and Limnephilidae. Importantly, for both AChE and GABA pesti-
cides, insects seemed to account for the majority of sensitive families.
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Table 2

Comparison of toxicity threshold ranges for aquatic invertebrate families
occurring at field site 1 — for AChE pesticides and GABA acting pesticides. Data
provide the range of toxicity thresholds (e.g., LC50, EC50, NOEC) for population

relevant endpoints including mortality, growth, development, and/or
reproduction.
Test Family Concentration (pg/1)
AChE pesticide
Azinphos-methly LC50 chronic Asellidae 2.4 (M)
Baetidae 3.4 (M)
Asellidae 4.8-162 (M)
Baetidae 11.6-16.3 (M)
Chironomidae 0.37-10 (M)
Coenagrionidae 26.6-50.2 (M)
LC50 acute Culicidae 19 (M)
Gammaridae 0.1-2 (M)
. 123,000-130,000
Planorbidae o
Baetidae 4.9 (R)
Dugesiidae 19.2 (R)
NOEL acute Hydropsychidae 19.2 (R)
Noteridae 4.9 (R)
Simuliidae 1([R)
Baetidae 0.2 (M)
NR-ZERO acute  Chironomidae 1000 (M)
Planorbidae 5000 (M)
Culicidae 1000 (M)
NR-LETHacute  \;didae 5000 (M)
. Asellidae 1100-1800 (M)
Carbophenothion LC50 acute Gammaridae 5.2.50 (M)
Gammaridae 0.074-0.5 (M)
Caumaphos LC50 acute Hydropsychidae 5.2 (V)
. Chironomidae 6-274.36 (M)
Chlorfenvinphos LC50 acute Gammaridae 9.6-27 (M)
Baetidae 1.94 (M)
Chironomidae 10.7-450 (M)
Culicidae 3-140 (M)
Dugesiidae 630-11,640 (M)
LC50/EC50 Gammaridae 2-47 (M)
acute Hydrobiidae 11,000-93,000 (M)
Hydropsychidae 1-29.4 (M)
Polycentropodidae 1.1 (M)
Simuliidae 4.91 (M)
Unionidae 19,400 (M)
Diazinon . Chironomidae 54 (R)
LOEC chronic Crangonyctidae 34 (R)
Asellidae 34 (R)
NOEC chronic Chironomidae 22 (R)
Crangonyctidae 6.7 (R)
Chironomidae 1000 (M)
NR-ZERO acute  Dugesiidae 6480 (M)
Gammaridae 2.24 (M)
Chironomidae 13,900 (M)
NR-LETH acute Culicidae 500 (M)
Dugesiidae 24,550 (M)
Baetidae 7 (M)
Chironomidae 1.29-1290 (M)
. Culicidae 1850-25,000 (M)
Dimethoate LC50 acute Gammaridae 180-4100 (M)
Hydropsychidae 23 (M)
Planorbidae 18,900-23,000 (M)
Asellidae 1100-1800 (M)
Culicidae 0.6-29,000 (M)
Chironomidae 3-13 (M)
Dugesiidae 1700 (M)
Gammaridae 2-63 (M)
Fenitrothion ];SESE/ECSO Limnephilidae 2.8-610 (M)
Lymnaeidae 1429 (M)
Naididae 4342 (M)
Notonectidae 16.7 (M)
Simuliidae 82.46-148.35 (M)
Viviparidae 2399 (M)
EC50 acute Culicidae 3.1-105.8 (D)
Baetidae 7-13 (M)
Fenthion LC50/EC50 Chironomidae 11-140 (M)
acute Culicidae 0.9-4600 (M)
Gammaridae 5.2-1000 (M)

Table 2 (continued)
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Test Family Concentration (pg/1)
Hydropsychidae 2.14 (M)
Unionidae 23.07-31.66 (M)
Chironomidae 1000 (M)
NRLETHacute ¢ Jlicidae 50 (M)
Asellidae 3000-6000 (M)
Baetidae 6 (M)
Chironomidae 0.44-36,000 (M)
Culicidae 1.6-61,090 (M)
Dugesiidae 4400 (M)
Gammaridae 0.33-3.8 (M)
szt(i/ECSO Haliplidae 1000-6800 (M)
Hydropsychidae -32 (M)
Limnephilidae 1.3-6.8 (M)
Malathion Notonectidae 70.7-220 (M)
Planorbidae 94,780-468,650 (M)
Simuliidae 54.2 (M)
Unionidae 80-667,000 (M)
. Chironomidae 300 (D)
NOEL chronic Planorbidae 9.6 (G/M/R)
Culicidae 100-600 (M)
NR-ZE
RZERO acute . ididae 4000 (M)
Culicidae 3500-6000 (M)
NR-LETH acute Naididae 4000 (M)
Notonectidae 300 (M)
. Asellidae 56-1500 (M)
Mevinphos LC50 acute Gammaridae 2.8-650 (M)
Asellidae 12-5600 (M)
Baetidae 1.7-2.6 (M)
Chironomidae 0.17-660 (M)
Culicidae 2.2-140 (M)
Dytiscidae 1.8-28 (M)
ifft(i/ECSO Gammaridae 0.25-12.8 (M)
Haliplidae 7-10 (M)
Hydrophilidae 17-40 (M)
. Hydropsychidae 0.43-7 (M)
Parathion-ethyl Limnephilidae 2.4-37.9 (M)
Notonectidae 7-20 (M)
Asellidae 4.8 (M)
Baetidae 0.38 (M)
LC50 chronic Chironomidae 2.2-2.9 (M)
Gammaridae 0.07-0.09 (M)
Limnephilidae 0.2-2.2 (M)
Culicidae 200-600 (M)
NR-LETH acute v i didae 500 (M)
Coenagrionidae 33-120 (M)
Culicidae 2.2-35 (M)
Dugesiidae 2600-4100 (M)
Parathion- Erpobdellidae 4000-5000 (M)
methyl LC50 acute Gammaridae 2.52-16 (M)
Naididae 500 (M)
Planorbidae 9300-22,900 (M)
Unionidae 20,000-50,000 (M)
GABA pesticide
. Asellidae 8-50 (M)
Aldrin LC30 acute Gammaridae 4300-56,000 (M)
Asellidae 5-20 (M)
Coenagrionidae 12 (M)
Culicidae 2.6-500 (M)
LC30 acute Gammaridae 600-1800 (M)
. . Haliplidae 2-4 (M)
Dieldrin Notonectidae 1 (M)
A Chironomidae 1.1-500 (M)
LG50 chronic Lymnaeidae 30-120 (M)
NR-ZERO Chironomidae 0.1 (M)
chronic Naididae 4000 (M)
Baetidae 32 (M)
Chironomidae 149 (M)
Dytiscidae 29.9-63.6 (M)
Heptachlor LC50/EC50 Gammaridae 29-180 (M)
P acute Hydrophilidae 35.9 (M)
Naididae 3700 (M)
Notonectidae 2.55 (M)
Physidae 1450 (M)

(continued on next page)
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Table 2 (continued)

Test Family Concentration (pg/1)
Asellidae 10-375 (M)
Baetidae 50-92 (M)
Chironomidae 2-330 (M)
Corixidae 3.9 (M)
Culicidae 45-3700 (M)
Gammaridae 5.1-225 (M)
LC50/EC50 Haliplidae 20-100 (M)
acute Hydropsychidae 330 (M)
Limnephilidae 9.6 (M)
Lymnaeidae 1200-7300 (M)
Naididae 6233 (M)
Notonectidae 3-7 (M)
Viviparidae 1050-8700 (M)
Unionidae 400 (M)
Chironomidae 2-13 (M)
Gammaridae 7 (M)
EE?O%ECSO Limnephilidae 0.8 (M)
Lymnaeidae 230 (M)
Lindane Unionidae 400 (M)
EC50 chronic Lymnaeidae 65-250 (R)
. Chironomidae 0.1-9.9 (D)
ETS0 chronic . maridae 0.09-8.3 (D)
. Chironomidae 9.9 (D)
LOEC chronic o imaridae 31-6.11 (R, G)
Baetidae 0.8 (R)
NOEC chronic Chironomidae 1.1 (D)
Gammaridae 0.8 (R, G)
Chironomidae 24-74 (M)
NR-LETH acute Culicidae 400-10,000 (M)
Naididae 4000 (M)
NR-LETH Chironomidae 24 (M)
chronic Lymnaeidae 2200 (M)
Chironomidae 0.8-100 (M)
Culicidae 10-1000 (M)
NR-ZERO Hydropsychidae 500-10,000 (M)
Limnephilidae 10,000 (M)
Naididae 4000 (M)

*LC50; Lethal concentration of 50 %, EC50; Effect concentration of 50 %, ET50;
Exposure time to effect 50 %, LOEC; lowest observed effect concentration,
NOEC; no observed effect concentration, NR-LETH: occurrence of 100 % mor-
tality., NR-ZERO; occurrence of 0 % mortality, NOEL; No observed effect level.
G; Growth, D; development, R; reproduction, M; mortality endpoints. (To access
all study citations use the ECOTOX database (https://cfpub.epa.gov/ecotox/s
earch.cfm) and use the search terms - chemical, endpoint (LC50 etc.,) and ef-
fect (development etc.,), then download dataset and filter taxa by family in-
formation outlined in Section 2.3 of the methods section).

3.4. Associations between GABA and AChE targeting pesticide toxicity
and freshwater invertebrate family richness

At site 1, 46 of 64 families were absent where total concentration of
AChE pesticides exceeded 0.7 pg/l and 16 of 64 families absent where
total concentration of GABA acting pesticides exceeded 0.045 pg/1 (the
maximum concentrations recorded in rivers). The families absent were
from orders, Amphipoda (2), Architaeioglossa (1), Archyaeogastropoda
(1), Archynchobdellida (1), Coleoptera (4), Diptera (7), Ephemeroptera
(3), Haploscerida (1), Harpacticoida (1), Hemiptera (5), Heterostropha
(1), Hygrophila (1), Littorinimorpha (1), Lumbriculida (1), Mysida (1),
Odonata (1), Poduromorpha (1), Stylommatophora (1), Trichoptera (7),
Tricladida (2), Unionida (1) for AChE pesticides, and orders, Amphipoda
(1), Anthoathecate (1), Diptera (5), Ephemeroptera (1), Haplosclerida
(1), Haplotaxids (1), Hemiptera (2), Lumbriculida (1), Mysida (1),
Poduromorpha (1), Tricladida (1) for GABA pesticides (numbers in
brackets indicate the number of families absent). The majority of fam-
ilies absent for GABA and AChE pesticides belong to insect orders.

Only 5 of the 46 families absent at the highest AChE total field
concentrations had laboratory toxicity thresholds for the individual
AChE acting chemicals that were lower than the total AChE field con-
centration (0.72 pg/l; see Figs. 4 and 5). All other invertebrate families
and chemicals had laboratory effect concentrations greater than the
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maximum total field concentrations of GABA and AChE pesticides
(0.0475 pg/1and 0.72 pg/1 respectively; see Figs. S7-10). Hence, for the
vast majority of pesticide chemicals, laboratory toxicity data do not
directly support the absence of those families at the highest measured
field concentrations (i.e. neither individual effects nor additive effects of
these chemicals on those invertebrates are likely). However, even for
these 5 families where the laboratory chemical effect concentrations for
any individual AChE pesticide was lower than, or equal to, the measured
field concentrations of total AChE pesticides (<0.72 pg/l), only one
family (Polycentropodidae) had concentrations recorded in the field
which were close to a laboratory effect concentration (for mortality). For
the other 4 families field concentrations for AChE pesticides were
several fold lower than laboratory effect concentrations, as illustrated in
Figs. 3 and 4. The absence of Polycentropodidae, where the total AChE
pesticide field concentrations were 0.72 pg/l, was supported by the data
for laboratory effect concentrations; diazinon's maximum riverine con-
centration of 0.16 pg/l, and a corresponding lab based LC10 acute
toxicity concentration of 0.2 pg/l, see Fig. 4.

4. Discussion

Through a case-study on riverine sites in England we have combined
the use of field monitoring data and laboratory toxicity data to assess the
impacts of pesticide based on their MoA on invertebrate populations. In
our analysis we found that pesticides targeting AChE and GABA re-
ceptors have been measured at concentrations in rivers across the
Midlands and Anglian regions of England at levels that are acutely toxic
(>EC50/LC50) to invertebrate families. The different timings of biota
and chemical collection from these rivers meant we were able to un-
dertake robust assessments for the impact of pesticides on invertebrate
family richness for three of these study sites only. At these three sites
however, for one (site 1) we found that both GABA and AChE acting
pesticides had an important role, alongside other water quality param-
eters, in determining family richness of riverine macroinvertebrates
spanning over the past 40 years. Importantly, at this site 44 families of
the 64 monitored were absent when the total concentration of AChE
acting pesticide (carbamates and organophosphates) exceeded 0.7 pg/1
in the river and 16 families were absent when total collective GABA
pesticide (organochlorine) concentration exceeded 0.045 pg/l. Inter-
estingly, lab-based toxic thresholds for individual pesticides (both
chronic and acute) were several orders of magnitude higher than those
measured in the field for associated effects. For one family however,
Polycentropodidae, their absence from the field sites with the highest
measured total concentration of AChE acting pesticides was supported
by the lethal toxicity threshold for diazinon (LC10; AChE acting pesti-
cide) determined from laboratory-based studies. We thus conclude that
pesticides are playing an important role in determining the presence/
absence of invertebrate families for this English river. Furthermore, we
show that many other rivers have received pesticides at levels that
exceed the toxic threshold for effects on selected invertebrate species,
based on laboratory testing, indicating a high likelihood for impacts in
those rivers, but with insufficient data for our modelling work to assess
this. Our analyses also show that ammoniacal nitrogen, ammonia, BOD,
dissolved oxygen, orthophosphate in combination with AChE pesticides,
and temperature in combination with GABA pesticides, were important
in determining freshwater invertebrate family richness.

4.1. Pesticides exposure versus riverine invertebrate family richness

Pesticides are applied (kg/ha) to UK arable areas on average at a rate
more than three times that used in other countries in Europe, and it is
therefore perhaps not surprising that concentrations of pesticides
recorded in English rivers have been found to exceed toxic thresholds for
invertebrates (>EC50/LC50) relevant to population level endpoints
(growth, development, reproduction and mortality) (Sharma et al.,
2019). In other European countries which use lower amounts (kg/ha) of
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Fig. 4. Family presence/absence in the river compared to recorded river concentrations of individual AChE chemicals (site 1) and laboratory acute toxicity effect
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in the river, demonstrating if taxa present at maximum concentration (red line). (For interpretation of the references to colour in this figure legend, the reader is

referred to the web version of this article.)

pesticides than those used in England, it has been reported that pesti-
cides have negatively impacted riverine invertebrate communities
(Berenzen et al., 2005; Beketov et al., 2009). In one such study assessing
6 rivers in Lower Saxony, Germany in agriculturally intense regions, all
sites showed pesticides to be the main stressor impacting invertebrate
family richness (Berenzen et al., 2005). In our study for one river (site 1)
in an area in the Midlands with a high intensity of upstream agriculture,
we also show pesticides have adversely impacted invertebrate family
richness - see Fig. 3 and Table 1, in accordance with the high concen-
trations of fipronil, diazinon, dichlorvos and parathion-methyl recorded
at that site over the 40-year period (Fig. 2). In contrast, we found no
significant effects of pesticides on invertebrate family richness for
riverine sites in areas with relatively low levels of upstream arable
farming (<12 %). So, whilst pesticides in rivers in urban settings have in
some cases been reported to be associated with impairment to inverte-
brate assemblages (Carpenter et al., 2016; Waite et al., 2019), our
finding more support the general literature which indicates that
stressors other than pesticides including, road-runoff (organic PAH;
Polycyclic Aromatic Hydrocarbons) and/or general poor water quality

from wastewater effluents discharges are likely more the key drivers in
determining invertebrate family richness in such urban areas, particu-
larly in England (Beasley and Kneale, 2002; Langford et al., 2009). This
is further supported by our finding that maximum concentrations of
individual GABA and AChE pesticides did not exceed toxic concentra-
tions in rivers over the 40 years for the sites (2 and 3) at which they have
been monitored; the only exception for this being for parathion-methyl.

The water quality variables including ammoniacal nitrogen,
ammonia, BOD, dissolved oxygen and orthophosphate were also
important in determining invertebrate family richness, and this was
particularly the case when in combination with AChE targeting pesti-
cides (see Fig. 3). Various other water quality variables have been
determined to impact invertebrate family richness directly (e.g. sedi-
ment type) alone or in conjunction with pesticides, for example water
turbidity; increased organic load and suspended solids in turbid water
tends to reduce he bioavailability of pesticides and therefore toxicity of
pesticides to invertebrates (Hall et al., 1986; Benson and Long, 1991;
Kadlec and Benson, 1995; Overmyer et al., 2005). These combination
effects of environmental parameters on pesticide toxicity likely help
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explain the disparity seen between some of the field data and laboratory
derived testing data, where there are associations between invertebrate
absences across riverine sites for AChE and GABA acting pesticide con-
centrations that are below those for the toxic thresholds for these
chemicals based on laboratory data. Overall, it is clear, however, that
AChE and GABA acting pesticides have played a key role in determining
the family richness of invertebrates at site 1. For other site locations
where the concentrations of AChE and GABA acting pesticides exceed
acutely toxic laboratory effect concentrations (Fig. 2) invertebrate
populations may also be impacted, but data deficiency has prohibited
their investigation. Further, it should be noted that our study was unable
todid not consider potential interactive effects between AChE and GABA
pesticides. This limitation was due to disparity in the timing and loca-
tions for the monitoring of these two pesticide classes.

4.2. Invertebrate family sensitivity to pesticides

Family richness was impacted by AChE and GABA pesticides at site 1,
however which families are most sensitive differs depending on the in-
dividual pesticides as determined from laboratory toxicity data
(focusing on mortality, reproductive, growth and development end-
points) and as illustrated in Table 2. Overall, however, based on acute
and chronic laboratory toxicity data, certain families found at site 1
were found consistently to be the more sensitive to AChE pesticides,
including, Hydropsychidae (Caddisfly), Polycentropodiae (Caddisfly),
Baetidae (mayfly), and Halplidae (beetle) and other families, notably,
the Notonectidae (true bugs), Hydrophilidae (beetle), Dystiscidae
(beetle), Corixidae (true bugs) consistently shown to be sensitive to
GABA receptor pesticides. It is perhaps not surprising that all these
families are insects as both AChE and GABA acting pesticide modes of
actions are designed to target and kill terrestrial insects (Jayaraj et al.,
2016; Struger et al., 2016). Invertebrate families most sensitive to GABA
and AChE pesticides in the field, based on absence at highest recorded

10

GABA and AChE concentrations (46 of 64 and 16 of 64 families absent,
respectively) included the orders deemed to be most sensitive based on
laboratory toxicity studies. An exception to this was the order Coleop-
tera which were not associated with high sensitivity to GABA based on
field data despite laboratory toxicity data for aquatic beetles suggesting
this taxa is highly sensitivity to GABA pesticides (Table 2). Overall, these
analyses evidence that the invertebrate taxa most sensitive to AChE and
GABA pesticides from the field studies include freshwater insects and
this is largely supported by the available laboratory toxicity data.

4.3. Relationship between absence of invertebrate families in the field and
pesticide lab toxicity data

The absence at site 1 of numerous invertebrate families at the highest
measured riverine pesticide concentrations, correlated with the toxic
threshold for Polycentropodidae only based on laboratory exposures.
For the highest recorded field concentration of total AChE pesticides
(0.72 pg/1), diazinon in that mixture was close to the LC10 acute toxicity
threshold (0.02 pg/l, Fig. 4). Furthermore, the maximum concentration
of diazinon measured at site 1 (not matched to biota sample due to 36-
day threshold period) was 0.27 pg/l which exceeds its acute LC10 (0.2
pg/D. The high sensitivity of the Polycentropodidae (caddisfly) corre-
sponds with it being defined as “Species at risk” to pesticide pollution
based on trait analyses (according to SPEARpesticide index; Liess and
Von Der Ohe, 2005; Environment Agency, 2008).

The absences of other invertebrate families could not be explained by
the highest total riverine concentrations of AChE or GABA pesticides
(0.72 and 0.0475 pg/1, respectively) as in some cases they were several
orders of magnitude lower than those shown to induce acute/chronic
toxicity effects in laboratory studies (Figs. 4, 5 and Figs. S7-10). This
contrasts with our determinations for effect of these pesticides (AChE
and GABA) on family richness (Table 1). These differences are hard to
reconcile but it is more than plausible that other factors in the riverine
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settings compound pesticide effects compared with that as determined
under laboratory conditions, where exposure scenarios are generally
highly simplistic and optimal in terms of supporting the health and
nutrition of the organisms being exposed (Hall et al., 1986; Benson and
Long, 1991; Kadlec and Benson, 1995; Kreuger, 1998; Lydy et al., 1999;
Overmyer et al., 2005; Willming et al., 2013). In natural environments
organisms are exposed to a range of stressors which can act in combi-
nation to affect chemical effects susceptibility and sensitivity (Coors and
De Meester, 2008; Bray et al., 2021a, 2021b). This was well illustrated in
one study where withholding food resulted in an increased toxicity of
prochloraz to Daphina magna (Shahid et al., 2019). Toxicity thresholds
derived from laboratory studies may, therefore, not necessarily accu-
rately represent those for freshwater invertebrates in their natural en-
vironments and in some instances underestimate the threat of pesticide
exposures. Furthermore, some pesticides have been shown to have
interactive effects (acting additively, synergistically, and/or antagonis-
tically; Anderson and Lydy, 2002; Pham et al., 2018) further compli-
cating extrapolation between laboratory based data for single chemical
exposures and threshold effect concentrations in natural environments.
Mlustrating this AChE targeting pesticides (carbaryl, carbofuran, para-
thion, demeton-S-methyl, and aldicarb) have been shown to additive in
their effects on AChE activity in an enzyme bioassay (Mwila et al.,
2013), and a mixture of chlorpyrifos, dimethoate (organophosphates)
and imidacloprid produced a synergistic effect in a laboratory exposure
with Chironomus dilutus larvae (LeBlanc et al., 2012). These interactive
effects are not limited to pesticides, but other chemical types too, such as
metals, that can also interact with pesticide (e.g. organophosphate,
carbamate) to affect (including to enhance) their toxicity to aquatic
invertebrates (Joe et al., 1999). Hence AChE and GABA pesticides may
have a contributing effect to the decline of invertebrate families at lower
concentrations in the field than for their effects determined in individual
chemical toxicity test studies. Such data, however, are lacking and the
‘chemical mixtures’ and combined stressors questions for pesticides re-
mains largely unanswered for studies on freshwater invertebrate
populations.

4.4. Focus on monitoring efforts

Despite the availability of one of the most comprehensive monitoring
datasets worldwide for freshwater invertebrates and water chemistry
data, we found, for the most part, these data sets were still lacking for
use in understanding the role of pesticides in determining the status
(richness) of riverine invertebrate populations in English rivers. The lack
of consistency in pesticide monitoring efforts over time including
relating to the number of pesticide measured across the different sites,
together with the lack of consistency in the monitoring of other physi-
cochemical parameters over time, and the disparity between where
pesticide/physicochemical samples had been collected versus that for
the invertebrate biota, meant that only a subset of sites qualified for use
in our analyses. Furthermore, many sites for the chemical and biota
sampling on any given river stretch were distant to one another and as
such the water physicochemistry at these different sampling points is
likely to differ due to different proximate land-use and land-use changes
over time. We thus emphasise that to better dissect out the roles of
pollution (and other environmental factors) in the changing status of
aquatic wildlife populations greater compatibility is needed between the
locations of the chemical and biota sampling sites and in the timing of
theses collections for long term monitoring. Ephemeroptera, Plecoptera,
and Trichoptera (EPT) rather than species richness as a whole are often
used as measures of water quality, most notably as bioindicators of
organic pollution. However, for the occurrence data at sites 1-3, there
were fewer than 30 observations for EPT alongside pesticide and water
quality data. In turn this did not provide a sufficient dataset for a robust
statistical analysis underscoring the importance of ensuring sampling
during seasonal periods when pollution-sensitive taxa, such as EPT, are
present in rivers. This is crucial for validating observed responses in total
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family richness at a finer scale, here specifically for EPT richness.

5. Conclusion

Riverine sites across the Midlands and Anglian regions of England
have experienced levels of both AChE and GABA pesticides that are toxic
to riverine invertebrates. For one of the three sites assessed in the
Midlands region, where data were sufficient for a comprehensive anal-
ysis, we show a significant relationship between pesticide pollution
(AChE and GABA receptor targeting pesticides) and reduced riverine
invertebrate family richness. At this site certain families of invertebrates
were absent during the periods of the higher pesticide concentrations in
the river. In one of these cases diazinon appears to be a key driver in the
absence of the Polycentropodidae family of freshwater invertebrates.
Through this case study in England we have shown how monitoring data
and laboratory toxicity data can be effectively combined to assess the
impact of selected pesticides on riverine invertebrate communities.
However, more tightly coordinated site and temporal sampling for biota
and chemistry would provide considerably more powerful data sets for
establishing possible associations between pesticides (and other chem-
icals) and riverine biota populations and should be applied in future
environmental monitoring.
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