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ABSTRACT 

 
Given the widespread use of silver nanomaterials (AgNM), their accidental or intentional 

release into the environment is inevitable. AgNM release into riverine systems is a daily 

occurrence, and following their release, they will undoubtedly interact with naturally 

occurring organic and inorganic particulates and sediment interfaces. At this point, AgNM's 

long-term threat to freshwater ecosystems is unclear. We must develop our understanding 

of AgNM fate, toxicity, and bioavailability using testing approaches that systematically 

investigate AgNM environmental interaction within single-factor and multifactor systems. 

This body of research aimed to comprehensively examine selected AgNM particles that 

were tracked within parallel fate scenarios and toxicity and bioavailability studies. Results 

showed contrasting behaviorr between the two tested AgNM. Findings also demonstrated 

that low shear flow is a significant factor influencing the flocculation and settling rates of 

AgNM, which differentially regulated the persistence and residence time of aqueous phase 

AgNM within simulated riverine systems. Experiments with low shear flow showed a 

significant increase in AgNM water column removal and modulated the physicochemistry 

differentially compared to quiescent systems. The findings on the influence of bed 

sediment interactions with waterborne AgNM demonstrated that they are a vital process 

that increases the transfer and exchange of AgNM from the water column to the bed. 

Toxicity studies showed how abiotic factors could modulate toxicity differentially between 

aquatic species and how inorganic and organic matter can increase and decrease AgNM 

toxicity. Exposure studies contrasting singular and multifactor exposures with and without 

low shear flow demonstrated that they modulate the exposure of AgNM significantly 

differently. In conclusion, the proof-of-concept flume designs for testing the environmental 

fate and exposure of AgNM showed promise and that, with further refinement, could be 

further incorporated into the life-cycle testing framework of ENMs, to produce accurate 

semi-empirical coefficients for environmental models for the assessment of hazard. 
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1 Chapter 1: General introduction and thesis research premises 
1.1 Introduction to Nanotechnology and nanomaterials 

Nanotechnology is defined as the design, characterisation, production (synthesis and 

manipulation) and application of structures, devices and systems by controlling shape and size 

at the nanometre scale (<10-9 m), as originally defined by the Scientific Committee on Emerging 

and Newly Identified Health Risks  (SCENIHR, 2010).  The nanoscopic dimension is depicted 

in Figure 1.1.  Nanotechnology has been considered the next industrial revolution in material 

science (Peterson, 2000; Shah et al., 2022). This new field of material science has been growing 

since it became popular during the 1980s when the scanning tunnelling microscope was 

invented and fullerenes were discovered (Rosenkranz, 2010; Shatkin, 2013; Ramsden, 2018; 

Barhoum et al., 2023).  

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 1.1 Schematic that categories objects from the millimetre scale to the nanoscale. Adapted 

from Mendonça et al.  (2017). 

 

The definition of nanomaterials and nanoparticles is important within the context of 

nanotechnology and the nano-research field. According to the British Standards Institution  

(BTI, 2007), The American Society for Testing Materials (ASTM, 2006), and The Scientific 

Committee on Emerging and Newly-Identified Health Risks (SCENIHR, 2010), nanomaterials 

(NM) are any material with one of its dimensions between 1-100 nm, and nanoparticles (NP) 

are defined as particles having three dimensions between 1-100 nm. The legal definition of a 
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“nanomaterial” was proposed in October 2011 by European Commission as: "A natural, 

incidental or manufactured material containing particles, in an unbound state or as an 

aggregate or as an agglomerate and where, for 50% or more of the particles in the number size 

distribution, one or more external dimensions is in size range 1 - 100 nm. In specific cases and 

where warranted by concerns for the environment, health, safety or competitiveness, the 

number size distribution threshold of 50 % may be replaced by a threshold between 1 and 50 

%. By derogation from the above, fullerenes, graphene flakes and single-wall carbon nanotubes 

with one or more external dimensions below 1 nm should be considered nanomaterials" (EC, 

2011). An updated definition was released in June 2022, superseding the 2011 version (EU, 

2022). The modifications made to the definition were minor and did not substantially impact 

the range of nanomaterials and their classification. 

Since the expansion of nanoscience, nanotechnology has been introduced into many industry 

sectors, ranging from cosmetics to aerospace, medicine, engineering, agriculture, textiles and 

environmental applications, among others (Maynard, 2006; Ramsden, 2018; Shah et al., 2022; An 

et al., 2022; Biswas et al., 2023). Engineered nanomaterials (ENM) have been applied successfully 

in many applications and products. Nanomaterials’ success is due to their different properties, which 

are not shown by the material’s counterparts or bulk forms (larger sized). New nanotechnology 

products and materials are continuously being created, producing improved/new materials that can 

be used in applications where traditional materials do not perform or reach the desired standard 

(Malik, Muhammad & Waheed, 2023).  Therefore, nanotechnology has led to substantial advances 

in many important sectors of society and has contributed substantially to economic growth (Roco, 

2001; Roco & Bainbridge, 2005; Ramsden, 2018; Gul & Rao, 2022). Because of this, many consider 

nanotechnology to answer many of the issues and demands of modern society (Gul & Rao, 2022; 

Malik, Muhammad & Waheed, 2023).  

The main characteristic of ENM, distinguishing them from their bulk form, is their larger 

surface area to volume ratio. This difference in size gives ENM unique physicochemical 

properties, such as advantageous electrochemical and thermal conductivities, chemical 

reactivity, and optical and catalytic properties (ASTM, 2006; Sajid, 2022). As such, these 

properties are exploited in a range of applications and products, such as thickening paints, 

medical advances (antibacterial and drug delivery), clothing, structural materials, electrical 

components, cosmetics catalysts, coatings, rubber and tyre products, microprocessor 

manufacturing, heavy equipment manufacturing, product coatings, food, fuel cells, solar cells, 

batteries, textiles, filtration devices, composite fibres, and sports goods (Roco & Bainbridge, 

2005; Fabrega et al., 2011a; Ramsden, 2018; Khan & Hossain, 2022; Malik, Muhammad & 

Waheed, 2023; Xu et al., 2023). 
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Expanding on their applications, some of ENM most important uses are listed as: their 

involvement in more efficient storage, usage and conversion of energy; in the development of 

new catalysts, which may reduce the environmental impact of the chemical industry; in the 

treatment of polluted waters and soils; as new substances in the medical field; as UV protection 

in sunscreens and textiles; as new substances for cancer treatment; in advanced packaging for 

improved food delivery; in the development of safety devices for physical protection; in the 

field of informatics, where new advanced microchips based on nano-scale switching elements 

are thought to revolutionise the way information is processed in current computers (Ramsden, 

2018; Liu et al., 2023).  To achieve such diverse technological advancements, ENM are being 

manufactured from different core types such as carbon, titanium, zinc, cerium, copper and 

silver, amongst others, and this is key to their different structure-activity relationships, which 

can lead to differences in their mode of toxicity (Griffitt et al., 2008; Wang et al., 2017; 

Kannadhasan, Nagarajan & Kanagaraj, 2022). Klaine et al. (2008, 2012) named six different 

ENM types, including carbonaceous ENM, such as carbon nanotubes (CNTs), single wall 

graphene sheets and fullerenes; metal oxides, including Al2O3, MgO, ZrO2, CeO2, TiO2, ZnO, 

Fe2O3, SnO; semiconductor materials, such as quantum dots; zero-valent metals including Fe, 

Ag and Au; and finally nanopolymers which are classified as self-assembled and non-self-

assembled (Larena, Tur & Baranauskas, 2008) Figure 1.2. 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 1.2 Types of nanomaterials and their characteristics. Adapted from Sharma et al. (2015). 

 

Currently, the number of products containing ENM continues to grow exponentially. The 

Woodrow Wilson Database (established in 2005), a consumer product inventory (CPI), reported 

that ENM are used in well over 1000 products.  The inventory declares that since the first survey 

was released in March 2006, the number of ENM products has grown to 1833 listed products 
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as of February 2023. According to a recent report by ResearchAndMarkets.com (2022), the 

global nanotechnology market is expected to grow from US$44.3 billion in 2020 to US$82.2 

billion by 2027 at a Compound Annual Growth Rate (CAGR) of 9.2% during the forecast period 

2020-2027. The report highlights the Nanocomposites segment as one of the significant 

contributors to this growth, with a projected CAGR of 9.2% and an estimated market size of 

US$50 billion by the end of 2027. The post-pandemic recovery is expected to boost the growth 

of the Nanomaterials segment, which is readjusted to a revised 9.7% CAGR for the next 7-year 

period. 

The United States is estimated to have a significant share of the global nanotechnology market, 

with an estimated market size of US$13.2 billion in 2020. The report projects China to be the 

fastest-growing market, with a forecasted market size of US$6.1 billion by 2027, growing at a 

CAGR of 11.2% during the forecast period. Japan, Canada, and Germany are also expected to 

experience growth, with CAGRs of 8.1%, 9.4%, and 8.2%, respectively, over the 2020-2027 

period. The projected growth in these countries reflects the increasing demand for 

nanotechnology applications in various sectors, including electronics, healthcare, and energy. 

The report notes that the COVID-19 pandemic has significantly impacted the nanomaterials 

market, with increased demand for antimicrobial coatings, personal protective equipment, and 

medical equipment driving growth.  

There is minimal accessible records on the quantity of ENM produced globally. The OECD 

recently published a report referencing a study by Keller et al. in 2013 (OECD, 2022). Keller 

et al. (2013) study estimated the global life cycle releases for ten of the most produced 

nanomaterials (ENMs) in 2010. While their objective was to estimate global emissions of 

engineered nanomaterials, their life cycle approach enabled the identification of the major 

application areas for the most produced ENMs. The study categorized these application areas 

into eight areas and reported the estimated usage of ENMs for each category. The largest usage 

was found in coatings, paints & pigments (80,500 tonnes), followed by electronics and optics 

(48,700 tonnes), cosmetics (48,000 tonnes), energy and environment (43,700 tonnes), catalysis 

(37,500 tonnes), automotive (23,500 tonnes), medical (13,400 tonnes), and other applications 

(22,900 tonnes) (Keller et al., 2013). 

1.1.1 Entry routes of ENM into the aquatic environment 

As indicated above, having established that ENM are currently being utilised within various 

sectors, commercial, medical and industrial, within the UK and globally (Whiteley et al., 2013; 

Musee, 2011), this will inevitably lead to increased, incidental and accidental release into 
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aquatic environments (Gottschalk & Nowack, 2011; Shatkin, 2013; Zahra et al., 2022). The 

possible entry routes of ENM into the environment are depicted in Figure 1.3. 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 1.3 The multiple entry/release routes of ENM into the environment: ENM production 

and manufacturing, via direct use of ENM (e.g. for groundwater remediation), via ENM-

containing products and sewage treatment, waste incineration, landfill and recycling processes. 

Adapted from Gottschalk & Nowack (2011).Arrow thickness represents ENM theoretical 

proportion of pollution, and dotted lines represent the direct pollution route we may know the 

least about. 

 

As described above, there are many species of ENM being fabricated. However, only a few 

ENM are currently used in high volume, which means only a few ENM types (1) Silicon oxide, 

2) Titanium dioxide, 3) Iron and iron oxide, 4) Aluminium oxide, 5) Zinc oxide, 6) Clays, 7) 

Cerium oxide, 8) Carbon nanotubes, 9) Silver, 10) Copper and copper oxide are likely to be 

released into the environment in the present and near future in high enough volumes to be of 

concern (McGillicuddy et al., 2017; OECD, 2022). Of particular interest is how ENM will 

behave within aquatic systems, as clean water is pivotal to healthy ecosystems and human 

consumption. A schematic of ENM entry into aquatic systems is shown in Figure 1.4.  Of all 

the entry routes of ENM into the aquatic system, the sewage entry route is considered one of 

the most significant contributors (Zeumer et al., 2020). However, of the ENM that make it into 

sewage treatment plants, it is thought that a large percentage (>95%) of ENM that enter 

wastewater treatment plants (WWTP) will be removed by water remediation processes (Kaegi 
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et al., 2013; Steinhoff et al., 2020). Nevertheless, a persisting subpopulation of waterborne 

ENM has been demonstrated to find a passage through WWTP into natural watersheds, i.e. 

rivers, lakes and ponds (Dumont et al., 2014). Nanomaterials that persist within the natural 

aquatic systems can interact with abiotic and biotic components of aquatic environments, 

potentially having deleterious effects at multiple levels of biological organization (Klaine et al., 

2008; Wigger et al., 2020).   

This existence of ENM in sewage sludge applied to agricultural land can also expose crops to 

ENM, resulting in chances of ENM entering human food sources (Deng, White & Xing, 2014). 

Due to increasing concern about the safety of ENM to human and ecosystem health, human and 

eco-toxicology research activities have focussed on ENM environmental entry routes and have 

evaluated the potential hazard and risk to ecosystems and human health (Nowack & Bucheli, 

2007; Stone et al., 2014). Environmental studies focus predominantly on ENM toxicity, 

environmental fate, exposure and hazard within different representative environmental 

compartments and species.  

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 1.4 Schematic representation of the flow of ENM between different environmental 

compartments. The considered ENM flow includes several pathways A) Untreated water 

directly entering riverine systems; B) Treated effluent entry into natural water bodies; and C) 

Sewage sludge application onto land, which then enters aquatic systems via runoff D&E) From 

the disposal of contaminated soil and sewage sludge via landfill site which can then produce 

runoff. Musee (2009). 
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It is known that ENM have higher surface reactivity than bulk materials, enhancing their 

interaction with abiotic and biotic parts of environments. It is fundamental to address ENMs 

potential bioavailability and toxicity of human and ecosystem health. ENM are the focus of 

widespread global research activities. Ecotoxicologists have been investigating the mechanisms 

of toxicity on a variety of biological organisms. Many studies have reported ENM ensuing 

numerous endpoints, e.g. biochemical indicators such as heightened reactive oxygen species 

and alterations in heat shock proteins and DNA damage in Drosophila melanogaster (Ahamed 

et al., 2010; Turna Demir & Demir, 2022; Wang, Zhang & Wang, 2023) and fish (Johari et al., 

2013; Auclair et al., 2023). There are many cases of other physiological responses, e.g. 

inflammation of the lungs (mice), oedema and a reduction of fertility in zebrafish, and 

ultimately mortality in a variety of species (Stebounova et al., 2011; Shaw & Handy, 2011; 

Asharani et al., 2008; Ellegaard-Jensen and Johansen, 2012; Shinde, More & Ingle, 2023; El-

Kady et al., 2023).  

1.1.2 The fate of ENM in the environment 

As described, the unique properties of ENM have raised questions about their potential effects 

on living organisms (Tortella et al., 2020a; Abedin, Asmatulu & Andalib, 2021). Therefore, 

risk assessments of ENM are required to understand the dangers they may present. The 

framework for evaluating the risk of ENM is illustrated in Figure 1.5, with a particular focus 

on human health. When considering the environmental risk of ENM, exposure assessment is 

also one of the critical focuses. This can be achieved by understanding ENM behaviour by 

studying ENM transport and environmental compartmentalisation following their release into 

the environment (Vonk et al., 2009; Spurgeon, Lahive & Schultz, 2020a). Although 

understanding of  ENM effects is not comprehensive, recent studies have indicated important 

patterns relating to the environmental fate of ENM and their predicted environmental 

concentrations (although exact concentrations are unknown) ( Table 1.1; Figure 1.6B) (Peralta-

Videa et al., 2011; Zhao et al., 2021). Some studies have estimated and modelled the ENM 

release rate into the environment (Hendren et al., 2013). Their rates are often calculated from 

gathered data originating from the approximate magnitude of production of ENM (Hendren et 

al., 2013; Gottschalk, Scholz & Nowack, 2010), as well as from studies carried out on  ENM 

in wastewater (Westerhoff, Kiser & Hristovski, 2013) and waste leachate (Hennebert et al., 

2013).  Results from these studies allow an assessment of compartments where ENM may 

preferentially end up, followed by an evaluation of hazard and risk.
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Figure 1.5 A schematic of the general approach to ENM risk assessment. Adapted from 

Orberdorster (2012). The red-dotted line indicates the area focused on for this body of 

research. 

 

 Table 1.1 Products and applications as point or diffuse sources for direct and indirect release 

of ENM into the environment Gottschalk & Nowack (2011). 

 

Information on environmental fate shows that between the three-main environmental 

compartment of atmospheric, aquatic and soil, water and soil are thought to be at higher risk 

from ENM Figure (1.6). Studies on the fate of ENM have shown that transport into the 

atmosphere is less likely to happen due to high settling rates from this compartment, which 

are thought to be influenced by wet or dry deposition mechanisms (Laakso et al., 2003; 

Seinfeld, Pandis & Ahmadi, 2003; Bello et al., 2009). Therefore, the release of ENM into 

Effects

Fate

ENMs
Characterisation
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the atmosphere is considered low in contrast with waterbodies (Keller & Lazareva, 2013). 

However, the release of ENM into the atmosphere should not be overlooked, as localised 

conditions and releases may result in airborne ENM, such as in high-humidity environments 

(Rodríguez-Ibarra et al., 2020). In any case, airborne ENM will likely settle within 

environmental compartments. Within water bodies, the environmental release was estimated 

at around 63,300 metric tons per year by Keller & Lazareva (2013). 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 1.6 A) The main compartments ENM will interact with when released into the 

environment, adapted from Giese et al. (2018). A) A schematic of the environmental flow 

of ENM's fate indicates that most ENM will end up in aquatic sediment compartments, which 

may then accumulate as a function of time. B) Estimated global mass flow of ENM (in metric 

tons per year) from production to disposal or release, considering high production and 

release estimates as of 2010, from Keller & Lazareva (2013). 

 

In light of this, whilst it is known that ENM tend to agglomerate or aggregate (loosely or 

strongly associated particles, respectively), dissolve (if metals) and transform (for a review, 

see Petosa et al. (2010)), there is a lack of data on how fate processes take place in the natural 

A

B



Chapter 1: General introduction and thesis research premises  

34 

 

environment. To address this, mathematical models have been developed to predict the 

environmental fate and behaviour of ENM (e.g. Praetorius et al., 2012). However, during 

the development of a model, many assumptions are made, concerning the behaviour of 

ENM, without comprehensive experimental data being available to validate these models 

(Clavier, Praetorius & Stoll, 2018).  

In addition to fate models, researchers are also adapting and investigating organisms' 

exposure models, such as quantitative structure-activity relationship models (QSAR), biotic 

ligand and biodynamic models (BLM) (Fourches et al., 2010; Van Den Brink et al., 2019a, 

2019b). Such models have to be adapted to consider the unique behaviour of ENM colloids 

which are thought to behave differently regarding their behaviour within environmental 

compartments and how they interact with organisms in contrast to conventional pollutants 

(Svendsen et al., 2020). In light of this, models are often considered too tentative for 

accurately predicting ENM environmental fate and bioavailability and toxicity (Cohen et al., 

2012; Svendsen et al., 2020). This leaves a gap for further contributions from empirical 

studies, which would aid in deriving accurate environmental fate and exposure descriptors, 

and is still required. Such contributions would further be understanding ENM environmental 

bioavailability, toxicity, and fate. Further experiments are essential to provide empirical 

insight into the environmental processes that modulate ENM fate and investigate any adverse 

effects on organisms from their exposure.  

1.1.3 ENM environmental bioavailability 

The term bioavailability is a widely used word and originates in pharmacology, where it is 

defined as “the fraction of an administered drug (i.e. parent compound) that reaches the 

systemic circulation” (Mike J McLaughlin & Lanno, 2014). The National Research Council 

states that bioavailability within environmental studies is “the amount of chemical taken up from 

the environment and is available to cause a biological response” (NRC, 2003). McLaughlin & 

Lanno (2014), who discussed the definition of bioavailability in ecotoxicology, state that uptake 

includes binding to, or diffusion through, cell membranes, and the authors note that uptake 

processes include bioaccumulation. A schematic of the relationships of metal uptake is 

illustrated in Figure 1.7. This diagram shows how a metal within the water column can be 

modified via interaction with ligands, competition of uptake, and attenuated by sediments, which 

can impact ENM bioavailability.   
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Figure 1.7 A detailed schematic of a metal's potential bioavailability and bioaccessibility to 

an organism (adapted initially from Lanno 2003). The diagram illustrates the relative 

importance of processes external to the organism which determine the bioaccessible fraction 

of a metal contaminant. Taken from  McLaughlin & Lanno (2014). 

 
Bioavailability processes are further defined by the NRC (2003) as “the individual physical, 

chemical, and biological interactions that modify the amount of chemical absorbed or adsorbed 

(bioavailability) and available to cause a biological response in plants and animals exposed to 

chemicals associated with soils and sediments”. This definition also applies to aqueous phase 

exposures. Bioavailability should be studied to understand and regulate exposure to pollutants in the 

environment. The most important factors that influence bioavailability of ENM are thought to be:  

the concentration of ENM; the physical characteristic of the particle; the nature of the environment; 

the route of exposure and the biology or "absorption, distribution, metabolism, and excretion" 

(ADME) mechanisms and the substance involved (Luoma et al., 2014). The bioaccessible (Figure 

1.7) refers to the fraction of metal available to cross an organism’s cellular membrane from the 

environment if the organism has access to the chemical (Semple et al., 2004).  This would indicate 

that there could be a reserve, for example, currently locked within the sediment, which may become 

available to an organism if the sediment was resuspended (as depicted in Figure 1.7). A schematic 

that covers the life cycle of ENM in the natural environment is shown in Figure 1.8. Highlighted in 

red are the environmental compartment that the work conducted in this thesis will focus on, the 

freshwater aquatic environment, and the influence of its interaction with sediment, i.e., the water-

sediment interface.
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Figure 1.8 The diagram illustrates an overview of the natural environmental compartments and properties that control the fate and 

processes that lead to variation in environmental exposure to ENM from Meesters et al. (2016). The red rectangle represents the 

environmental interfaces of interest for the research within this thesis.
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1.2 Silver ENM  

Silver can exist in several forms: solid-state, bulk form, ENM form and dissolved form, as is 

depicted in Figure 1.9. Silver nanomaterials (AgNM) are used extensively in a vast range of 

technology, and consumer products, for example, textiles, washing machines, vacuum 

cleaners, air filters, hair care devices, cosmetics, toothpaste, glassware, kitchenware, and 

baby products, to name a few (Fabrega et al., 2011; Jun et al., 2021). According to the 

inventory developed by the International Centre for Scholar Projects on Emerging 

Nanotechnologies (Woodrow Wilson Database), AgNM represents 24% of the registered 

nanotechnology products (Aug. 2021), where AgNM are registered in 443 commercial 

products (as of Aug. 2021), including food, clothing and children’s toys (Fabrega et al., 2011; 

Shafiq et al., 2020; Abedin, Asmatulu & Andalib, 2021).   

Nanoscopic silver is a versatile material as it exhibits unique properties, such as high 

electrical and thermal conductivities, surface-enhanced Raman scattering, high chemical 

stability, catalytic activity, non-linear optical behaviour, and antimicrobial properties. Such 

properties have been exploited in the technological development of inks (Perelaer et al., 

2009; Jiang et al., 2021), microelectronics (Wu et al., 2006; Zavanelli & Yeo, 2021), medical 

imaging (Jain et al., 2008; Siddique & Chow, 2020) and biomedicine and dentistry 

(Tejamaya et al., 2012; Stoiber et al., 2015; Gherasim et al., 2020). The use of AgNM is 

continuing to grow, especially in consumer products. The amount of AgNM production in 

the world has been estimated by different researchers, with values being reported from 210-

550 metric tons per/year for the years 2010-2021, with AgNM production indicated to 

increase to 380-780 metric tons per/year by 2025 (Mueller & Nowack, 2008; Piccinno et al., 

2012; Temizel-Sekeryan & Hicks, 2020). 

The value of the global AgNM market will also increase accordingly, with the value reported 

to be approximately $1 billion in 2015, which was then expected to increase to an estimated 

value of >$3 billion by 2024 (Temizel-Sekeryan & Hicks, 2020). In 2024, ENM medical 

applications (i.e. healthcare and life sciences) are expected to be valued at $1 billion, with 

the textile applications thought to reach $750 million, and food and beverage applications 

projected to be $300 million per/year (Verma, 2018). 



Chapter 1: General introduction and thesis research premises  

38 

 

 

Figure 1.9 The different states of silver can exist within freshwater environments.  Adapted 

from Reidy et al. (2013). 

 

1.2.1 Environmental release and exposure to AgNM 

Before 1996, environmental silver pollution from the photography industry was an issue 

when the photography industry used films and photography paper (Delaveau, 1996). Post 

this, with the introduction of digital photography, which took over from 1996 to 2002, 

environmental pollution from silver was then reduced (Don Franz, 2005; Nowack, Krug & 

Height, 2011).  However, in the 2000s, the number of registered biocidal and nano-silver 

products significantly increased due to the expansion of the manufacturing and incorporation 

of AgNM into consumer products (Vance et al., 2015). Consequentially, environmental 

exposure to silver within natural systems (terrestrial and aquatic) has become an issue (Starón 

et al., 2020; Klaper, 2020).  

Historically, dissolved silver has been categorised as a priority pollutant by the US EPA 

(1977) and ECC (1976), which led to the regulation of silver discharges into the environment 

(Fabrega et al., 2011). Due to the toxicity of AgNM, researchers have indicated that according 

to GHS guidelines (Globally Harmonized System of classification and labelling of 

chemicals), AgNM would be deemed as a Category 1 substance (the highest toxicity 

AgNO3 Ag NP Bulk
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category)(Skjolding, 2015; Lee et al., 2017). Generally speaking, exposure to AgNM in the 

freshwater ecosystem is considered more significant than its risk to humans (Drake & 

Hazelwood, 2005; Tortella et al., 2020a). This is because AgNM toxicity to humans is low 

at environmentally relevant concentrations (<0.5 mg/l). However, prolonged human 

exposure to high concentrations of silver has been reported to cause health issues, such as: 

decreased blood pressure, diarrhoea, stomach irritation and decreased respiration (Drake & 

Hazelwood, 2005). In addition, in some cases, prolonged exposure to high amounts of silver 

and ingestion has led to Argyria cases, which is a condition where the skin becomes 

pigmented with a purple colouration (Drake & Hazelwood, 2005; Simon & Buchanan, 2020).  

As the number of consumer products containing AgNM increases, discharges of AgNM and 

silver ions into the environment are increasing (Gottschalk & Nowack, 2011; Islam, Jacob 

& Antunes, 2021). There are many routes via which AgNM reach the environment during 

their lifecycle: such as during synthesis, manufacturing, and incorporation into final 

products; and during the disposal or recycling of these products (Garner, Suh & Keller, 2017; 

Hischier & Walser, 2012; Abbas et al., 2020). The ecotoxicological and environmental fate 

literature suggests that current environmental concentrations for AgNM (Figure 1.10) within 

environmental compartments are low and fall within the ng-µg/L range (Blaser et al., 2008; 

Wigger et al., 2020; Cervantes-Avilés, Huang & Keller, 2019). However, chronic exposure 

to AgNM and its concomitant dissolved fraction could potentially negatively affect many 

forms of prokaryotic and eukaryotic life (Fabrega et al., 2011; Uddin, Desai & Asmatulu, 

2020). Therefore, AgNM presence within aquatic environments likely presents a severe cause 

for concern concerning its eco-toxicity and potential ability to disrupt ecosystem services 

(Holden et al., 2012; Levard et al., 2012; Sørensen et al., 2020). 

Global release flows of AgNM by industry sectors were calculated by Keller et al. (2013), 

who presented estimates of the amount of release of the AgNM into different environmental 

compartments (Figure1.10). The values will likely increase as the number of products 

continuing AgNM increases. However, it does provide an idea of the volumes being released 

into the environment. An environmental release flow of AgNM was also explicitly generated 

for the UK by Whiteley et al. (2013) (Figure 1.11). 



Chapter 1: General introduction and thesis research premises  

40 

 

Of the organisms that are likely to be exposed to AgNM, aquatic organisms (bacteria, algae, 

crustaceans and fish, among others) are susceptible to aqueous phase exposure to AgNM 

(Griffitt et al., 2008; Lapresta-Fernández, Fernández & Blasco, 2012; Kakakhel et al., 2021; 

Siddiqi & Husen, 2021). As illustrated in the environmental flow diagrams (Figure 1.11A), 

aquatic organisms are likely to be exposed to AgNM via wastewater treatment plant 

discharges (WWTP) and via runoff from sludge; therefore, waterborne or sediment exposure 

routes are the focus of many environmental NM hazard studies (Batley, Kirby & 

McLaughlin, 2012; Shevlin, O’Brien & Cummins, 2018; Zhao et al., 2021b). In the previous 

sections of the introduction, the risk assessment framework (Figure 1.5), and the importance 

of estimating the impact of ENM on the environment, were outlined. To summarise, risk 

characterisation focuses mainly on exposure and biological effects assessments. Specifically, 

exposure assessment is complex and is governed by environmental ageing processes (Schultz 

et al., 2018a), although most of the data available do not focus on aged materials. Empirically 

assessing these temporal ageing trends is complex for AgNM, as complete characterisation 

in situ is difficult, and results from laboratory studies cannot easily be extrapolated and 

applied globally due to local differences in ageing processes (Pang et al., 2020). Aquatic 

exposure concentration to AgNM (water column concentration) is connected to risk, meaning 

that exposure to higher concentrations of AgNM likely leads to increased toxicity to aquatic 

organisms. However, this relationship is often modified by site-specific geochemistry and 

ageing processes, resulting in cases where in some scenarios, the hazard to aquatic organisms 

decreases as ENM age, meaning when aged, the risk of AgNM is not directly correlated with 

water column exposure concentrations (Spurgeon, Lahive & Schultz, 2020a). Due to ageing 

processes, this also means that AgNM uptake can also be geographical modulated (due to 

different environmental conditions), resulting in a poor correlation between environmental 

concentration and hazard (Luoma & Rainbow, 2005). Nevertheless, monitoring waterbody 

concentrations and organisms’ tissue body burdens of Ag can be an essential factor in the 

environmental estimation of the exposure and bioavailability of waterborne AgNM (Xiao et 

al., 2022). 
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Figure 1.10 The range of reported Environmental concentrations of Engineered 

nanomaterials in different environmental compartments, reported in studies from 2016 to 

2019. Dated reported the mode or mean from different studies—figure courtesy of Wigger 

et al. (2020). PEC = predicted environmental concentrations. 
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Figure 1.11 A simplified overview of predictions for AgNM environmental flow for A) 

Global release trends and B) release trends within the UK, courtesy of (Keller et al., 2013) 

and  Whiteley et al. (2013), respectively.  

 

1.2.2 The environmental control of AgNM exposure within freshwater systems 

Once AgNM has made it into the aquatic environment, a range of critical abiotic 

environmental transformation processes influence AgNM interactions with aquatic 

organisms, such as sediment interactions, the type of water column hydrology, and terrestrial 

input into the waterbody, and the specific water chemistry. The relationship between such 

abiotic factors on AgNM fate is depicted in  Figure 1.12. Particle-specific processes influence 

AgNM fate, such as their aggregation behaviour, physical and chemical behaviour, biological 

transformations, and interactions with other macromolecules; such interactions can result in 

Eco-Corona formation. Generally, pH, ionic strength, and particle charge are key AgNM 
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parameters within aquatic bodies, which drive the fate and transport of AgNM. For an 

illustration of these processes, see Figure 1.13 (Johnson et al., 2019; Spurgeon, Lahive & 

Schultz, 2020b). Studies in aquatic systems have shown that following the release of AgNM 

into the environment, AgNM fate and transport mainly depends on aggregation, deposition 

and sorption mechanisms, which are modulated by the characteristic of the AgNM (size, 

charge, zeta potential, coatings), the water column concentration of the particles, as well as 

characteristic (such as water hardness) of the environmental system (Arvidsson et al., 2011; 

Phenrat et al., 2008; Marimuthu et al., 2020). These factors, such as ionic strength and the 

presence/absence of suspended particles (organic/inorganic matter), directly affect AgNM 

aggregation via modulation of electrostatic stabilisation mechanisms and steric hindrance 

(Fabrega et al., 2009; Manoharan, Ravindran & Anjali, 2014). AgNM heteroaggregation with 

other natural colloids is probably the most important type of interaction in pelagic aquatic 

environments since the concentration of suspended solids interacting with AgNM is far 

higher than the predicted concentrations of AgNM (Quik et al., 2014). The stability behaviour 

of AgNM has been studied in different types of water/media (Khoshnamvand et al., 2020). 

Findings demonstrate that high concentrations of natural organic matter make AgNM more 

stable, i.e., they stay suspended in the water column (Hammes, Gallego-urrea & Hassello, 

2013).  In aquatic sediments, AgNM are likely to adsorb to substrates and, in some cases, 

dissolve into a sediment’s pore space, and this dissolved fraction can then be released back 

into the water column (Tourinho et al., 2012).  

1.2.3 Silver-NM particle properties and interactions 

Previous research indicates that AgNM physicochemistry (e.g. size, charge, coating, 

reactivity, purity and composition, morphology, optical, magnetic, and electrical properties) 

are important predictors of AgNM environmental fate (Kühnel et al., 2019). A particle’s 

physicochemistry is also influenced by the properties of the water it is immersed in (water 

chemistry), such as pH, ionic strength, oxygen concentration, electrolyte species 

composition, and the presence of dissolved natural organic matter (DNOM) and inorganic 

matter (IOM), and oxidation conditions (Baalousha et al., 2008; Quik et al., 2012; Römer et 

al., 2011; Baalousha et al., 2013; Wang et al., 2015).
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Figure 1.12 Flow diagram of the critical processes modulating the fate and exposure of AgNM within freshwater 

environments. Once AgNM is within water bodies, many abiotic processes influence their fate, which modifies how 

waterborne AgNM interact with organisms, which has consequences on AgNM toxicity to aquatic organisms.  Once an 

organism is affected, this could result in negative responses to an organism’s ability to carry out its normal behaviour, 

which may eventually influence an organism's population dynamics. In the worst-case scenario, if a key species is 

negatively influenced, this may adversely impact ecosystem services. 
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Figure 1.13 (a) Representative chemical transformations of metal nanomaterials and their potential impacts on their environmental 

behaviour and effects. (b) Effects of physical transformations, including aggregation and heteroaggregation. (c) Biologically mediated 

transformations of nanomaterials and their coatings. (d) Effects of nanomaterial interactions with macromolecules such as proteins and 

natural organic matter. Adsorbed macromolecules can affect aggregation, nanomaterial-biointeractions, biouptake, fate, transport, and 

environmental effects.  The Schematic was extracted from Lowry et al. (2012b).
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Such environmental factors (abiotic factors) exhibit a level of spatial and temporal control, 

i.e. localised or geographically specific effects, which drive the waterborne fate and 

persistence of AgNM within water bodies differentially (Gottschalk et al., 2009; Fabrega et 

al., 2011; Sharma et al., 2014; Rearick et al., 2018).  

Wintin this thesis, the clumping of AgNM hhas been metntioned as taking several froms: 

aggregates, or agglomerates or floculates. The difference between flocs, aggregates, and 

agglomerates lies in the nature of the particle or substance interactions and the resulting 

physical structure. Flocs are clumps of small particles that have come together due to a 

chemical or physical attraction, aggregates are groups of particles or substances that are 

joined together to form a larger entity, and agglomerates are loosely bound collections of 

particles that have not yet been fully combined. As mentioned before, an important factor 

that also controls the fate of AgNM within water bodies is how particles interact with other 

particles within water bodies (some natural and some not). As such, to date, many previous 

studies assessing the environmental fate of ENM, have focused on defining homo-

aggregation processes (HOMOAA-floc) (Zhang et al., 2012; Keller et al., 2010; Elzey & 

Grassian, 2009; Oncsik et al., 2013; Chekli et al., 2015). Such studies have shown that ENM 

interacts with each other under controlled lab experiments in a process termed homo-

aggregation, where suspended particles interact with the same core-type [i.e. NM-NM 

interactions forming larger aggregate/agglomerates or flocs (AA-floc)] (von der Kammer, 

Ottofuelling & Hofmann, 2010). Generally, increasing AA-floc sizes destabilise suspended 

particles or the colloidal system, leading to sedimentation and AgNM removal from the water 

column. However, in natural water-sediment environments, many other natural colloids are 

present, such as clay particles, among others, meaning a process termed hetero-aggregation 

is more likely to occur (Therezien, Thill & Wiesner, 2014; Lowry et al., 2012; Ciencias, 

2006; Zhou, Abdel-Fattah & Keller, 2012). In this process, suspended AgNM particles 

interact with particles of a different type (i.e. NM-clay or organic matter) (Liu et al., 2014). 

During the interactions of NM-natural colloids (i.e. NM-organic or inorganic), 

microstructures can form, where bridges or particle-to-particle attachments happen (Huynh 

& Chen, 2011; Chen & Zhang, 2012; Janknecht et al., 2009). Therefore, hetero-aggregation 

processes (HETAA-floc) are considered more environmentally relevant and have been 

experimentally demonstrated to modulate the environmental fate of NM (Quik et al., 2014). 
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Substantiating this,  a critical factor that makes hetero-aggregation processes so crucial in 

environmental systems is that the concentrations of natural colloids (organics or inorganic 

suspended material) are often several magnitudes higher than the concentrations of NM 

predicted to be found in the environment (Bilotta & Brazier, 2008; Velzeboer et al., 2014; 

Wang et al., 2015; Quik et al., 2014). 

In addition to investigating AgNM-floc evolution, the study of AgNM dissolution and the 

effect of ageing on this process is also a key area receiving attention due to the extent that 

AgNM dissolved fraction could contribute to nano’s toxicity/mode of action (Misra et al., 

2012; Behra et al., 2013; Loza et al., 2014). AgNM dissolution is a dynamic process 

consisting of a solid metal dissolving from the surface into the bulk solution via a diffusion 

layer (Borm et al., 2006). The thermodynamic factors that modulate the dissolution process 

are called solubility, and the concentration gradient of Ag+ between the particle's surface and 

the bulk solution (solvent, i.e. water) further controls the extent of the dissolution (Li & 

Lenhart, 2012). In addition, particle solubility and rate of dissolution is dependent on a range 

of other properties, such as chemical (purity) and surface properties (coating organic and 

inorganic; synthetic and natural, i.e. ecocorona), size and shape, crystallography, and the 

media composition (Bardaxoglou, Rouleau & Pelletier, 2017; Loza et al., 2014). These 

factors drive differences in the dissolution behaviour of AgNM, such that one particle may 

have very different behaviour and risk outcomes within different water bodies of variable 

composition. It is thought that environmental ageing processes may significantly influence 

the concentration of AgNM concomitant dissolved fraction. Therefore, understanding AgNM 

dissolution status within different water bodies is a critical step in assessing the 

environmental risk of AgNM (Misra et al., 2012).  

Studies have provided insight into how particle size, and bare and coated particles, drive 

dissolution differently within environmental waters (Dobias & Bernier-Latmani, 2013b; 

Little et al., 2021). In addition, to some extent, the role that temperature, pH, and 

humic/fulvic acid influence the dissolved fraction within river water has also been addressed 

(Baalousha et al., 2013; Fernando & Zhou, 2019). For example, Dobias & Bernier-Latmani 

(2013) study assessed AgNM dissolution within riverine and lake water for AgNM sized 5-

50nm and three different capping agents of PVP, Tan and Cit. Their study was conducted by 

impregnating AgNM into a gel and then placed into either a river or lake system for 
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environmental ageing. Understanding of AgNM dissolution within the riverine systems is 

limited, particularly in dynamic systems. In particular, understanding the influence of hetero-

aggregation, hydrology or shear flow and interaction with sediments is limited. Therefore, 

this is a crucial area requiring further elucidation (Li & Lenhart, 2012; Luoma, Khan & 

Croteau, 2014). 

1.2.4 The role of organic matter in the fate of AgNM 

Dissolved organic matter (DOM) is a ubiquitous component of aquatic systems' aqueous 

phase (Gatselou, Giokas & Vlessidis, 2014). DOM originates from soil humus and usually 

consists of the subfractions of organic matter that dissolve in water, namely humic acid (Ha) 

and fulvic acid (FA). Humic acid consists of weak aliphatic carbon chains and aromatic 

rings, which are only soluble in alkaline conditions (pH 8-14). Fulvic acid (Fa) also 

comprises a mixture of weak aliphatic carbon chains and aromatic organic acids. Fa differ 

as they are technically soluble at all pH values (pH 0-14).However, Fa is composed of sub-

nano-microparticles (500-1200nm) which are prone to aggregation, and does not always 

have good dispersion within the water column. In difference, Ha particles are small (300-

600nm) and show better dispersion within the water column and display a more negative ZP, 

a characteristic of particles that show good dispersion within water. Ha is composed of the 

humic substances that precipitate from the aqueous phase when the pH is less than 2; Ha 

also readily forms salts with inorganic trace minerals.  

The major mechanisms of how humic acid is believed to influence AgNM toxicity are 

illustrated in Figure 1.14A. In mechanism I, AgNM are bound and stabilised by Ha but 

continue to release Ag ions via oxidation, which results in the particles decreasing in size 

over time. Any newly released Ag ions are thought to be rapidly bound to Ha, which the 

oxidation equilibrium of the particles towards a faster release of more Ag ions. In mechanism 

II, the initial Ag ions are bound to Ha and subjected to reduction to form new small AgNM. 

This mechanism (II) has been demonstrated to occur within environmentally relevant 

conditions (Akaighe et al., 2011). These new AgNM can also oxidise following a similar 

mechanism to their parent particles, and so the process continues. The adsorption of DOM 

onto AgNM can also produce steric hindrance, which has been shown to influence the AgNM 

attachment efficiencies, usually decreasing AgNM aggregation or flocculation mechanics 

(Gao et al., 2012; Ai et al., 2020), as is illustrated in Figure 1.14B.  Freshwater humic acids 
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interact with many mineral trace elements, with Ca2+ bridging known to enhance Ha 

interaction with other colloids and surfaces (Kloster & Avena, 2015).  

Several studies have shown that changes in water column AgNM behaviour, influenced by 

NOM, have implications for AgNM toxicity and bioavailability (Keller et al., 2010; Lowry 

et al., 2012b). Indeed NOM has been shown to significantly reduce the toxicity of  AgNM to 

daphnids (Gao et al., 2012). In this study, a relationship between organic matter 

concentration and toxicity of AgNM to Ceriodaphnia dubia was seen, in which increasing 

concentrations of NOM (reported as total organic carbon or TOC) correlated with a decrease 

in daphnid mortality. Gao et al.'s (2012) study reported Ha stabilised AgNM suspensions at 

concentrations below 10 mg/l. However, the dispersion was destabilised when concentrations 

of Ha were above this value. 

Dissolved metal's interactions with Ha (such as Cu+) are known to modulate their aqueous 

phase bioavailability (Kungolos et al., 2006; Ai et al., 2020). Dissolved metal interactions 

with Ha occur because of its high cation exchange capacity, and Ha's abundance in 

freshwater systems makes it a vital ion exchange and metal chelating system (De Pablo, 

Chávez & Abatal, 2011a; Aini, 2014). As such, Ha is believed to frequently form complexes 

with ions that are commonly found within freshwater systems, and these interactions can 

influence a dissolved metals dispersion behaviour, transport and, in turn, bioavailability and 

toxicity (Wilkinson, Nègre & Buffle, 1997; King & Jarvie, 2012; Väänänen et al., 2018). 

However, little is known about how Ha influences the toxicity of AgNM concomitant 

dissolved fractions within a multifactor system, such as in tandem with inorganic colloids. 

Humic acids (and other forms of DOM) are thought to act as a chelating agent for silver ions, 

which are likely to be primarily responsible for AgNM toxicity (Zhou et al., 2015). Another 

study  (Liu & Hurt, 2010) concluded that the concentration of citrate stabilised ionic silver 

released from AgNM was decreased by two likely mechanisms, adsorption of NOM onto the 

surface of the NM, and NOM acting as a reducing agent.  
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Figure 1.14  A) Mechanisms of interaction between AgNM sand Has adapted from Manoharan et al., (2014). B) Schematic 

description of the principal effects of DOM on the colloidal stability of AgNM reported in the literature.  Adapted from Philippe 

& Schaumann (2014).
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1.2.5 The role of inorganic matter on the fate of AgNM 

Clay minerals are formed by natural weathering processes and populate freshwater systems 

(Gupta et al., 2016). Clay minerals form up to 30% of the particulates of natural colloids 

within freshwater systems (Wilkinson, Nègre & Buffle, 1997). Characteristically, clay 

minerals consist of silica tetrahedral (T) and alumina octahedral (O) layers in a lamellar 

structure that results in patch-wise surface heterogeneity, with both positive and negative 

charges on its particle surfaces (Uddin, 2017). In addition, like NM, clay particles typically 

have large surface areas with a high quantity of reactive surface sites. Such properties give 

clay minerals an enhanced sorption capacity for other substances, such as aqueous phase 

chemicals and heavy metals (Aboudi Mana, Hanafiah & Chowdhury, 2017). Studies have 

demonstrated that clay minerals can modulate aqueous phase concentrations of many heavy 

metals, such as copper, cadmium, lead, zinc, iron, arsenic, and mercury, among others (De 

Pablo, Chávez & Abatal, 2011). Clays are an important ion exchange system within the 

aquatic environment (Krikorian & Martin, 2005). Specifically, clays with adsorbed heavy 

metals can act as vectors, resulting in a modified route exposure to heavy metals for aquatic 

organisms (Gupta et al., 2017a). 

The current understanding of clays' possible abiotic modifications to the exposure of NM is 

limited. However,  a few studies have demonstrated that clays' interactions with NM can 

alter their waterborne behaviour and toxicity (Wang et al., 2015; Gupta et al., 2016, 2017a). 

Findings so far indicate that clays' interactions with AgNM can potentially modify an 

organism’s route of exposure via several mechanisms; for example, clay particles laden with 

metals can be ingested by aquatic organisms during feeding. This can create increased 

localised doses of NM within a freshwater digestive tract, which can potentially be re-

solubilised within an organism's digestive system due to its acidic environment. Such 

phenomena have already been demonstrated to occur with ingested NM (Sohn et al., 2015; 

Artal et al., 2013). In addition, NM-loaded particulates of clay may also increase the 

localised dose. When such payloads meet an aquatic organism’s integumentary system ( 

external surface) or via contact with the gills of fish or other routes of uptake, any adsorbed 

metals and NM may enter an aquatic organism, resulting in greater uptake (Van Den Brink 

et al., 2019a; Diez-Ortiz et al., 2015). However, current studies have only demonstrated that 

certain clay types, such as montmorillonite, bentonite and illite clays, have a high cation 
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exchange capacity and a strong propensity to interact with metal ions and NM, which can 

modify exposure scenarios. Such clays are not naturally the most abundant clay type (Uddin, 

2017a). The few studies on this subject have also only demonstrated the effects of clay on 

NM waterborne toxicity within simple aqueous exposure and not within more complex 

exposure such as in tandem with organic matter.  

The most abundant clay within the aquatic system is kaolinite clay (Wang et al., 2016, 2015). 

However, kaolinite clay is generally known to have a lower cation exchange capacity than 

montmorillonite, bentonite and illite clays. Therefore, its capacity to absorb metal ions is 

considered low compared to other clay types (Uddin, 2017b). However, this may be offset 

by its abundance within aquatic systems and the varying forms of crystalline structure 

present within the environment, which has been demonstrated to have a variable cation 

exchange capacity (CEC), with crystalline forms of kaolinite having a higher CEC (Aboudi 

Mana, Hanafiah & Chowdhury, 2017; Tombácz & Szekeres, 2006). In addition, the ion 

binding capacity of kaolinite clay is also strongly influenced by pH (Jiang et al., 2010). When 

these points are considered, interactions between NM and kaolinite clays are still an 

important area that needs other investigation within freshwater systems. The question of how 

kaolinite clay may influence the toxicity of AgNM within a singular and multifactor aquatic 

system, such as in tandem with organic colloids, still needs investigating to understand 

kaolinite’s role in the influence on the water borne hazard of AgNM.  

 

1.2.6 The role of hydology on the flocculation mechanics of AgNM 

Several studies have investigated AgNM floc formation within simplistic quiescent aquatic 

models (i.e. peri-kinetic conditions), investigating NM floc evolution within homo and 

hetero scenarios (Li & Lenhart, 2012; Keller et al., 2010; Quik et al., 2014; Wang et al., 

2019a). Such studies have often overlooked the influence of environmentally relevant fluid 

flow dynamics on AgNM fate processes (i.e. turbulence or orthokinetic conditions). 

Therefore, to enhance the understanding of the fate and behaviour of AgNM, more integrative 

testing approaches are needed that reflect HETAA-floc formation within environmentally 

representative conditions (Praetorius, Scheringer & Hungerbu, 2012; Zhang et al., 2019a). 

Approaches by Praetorius et al. (2012) used an external mechanical agitator to produce fluid 

turbulence, but again this was somewhat idealised concerning its ability to simulate natural 
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open channel hydrology. Furthermore, in their studies, the characterisation of turbulent flow 

hydraulics, such as instantaneous and time-averaged velocity profiles, and other hydrology 

descriptors were not comprehensively reported. Other studies have also used small scale 

flumes to assess the influence of variable flow velocities on the water column aggregation 

state of CeO2NM (Lv et al., 2016a, 2018). Their findings demonstrated that low shear flow 

promoted the aggregation of waterborne CeO2NM by increasing the collision frequency of 

the particles, while high shear forces resulted in the disaggregation of the flocculates. 

 

1.2.7 The role of hydrology and sediment interactions on the behaviour and transport of 

AgNM 

 

Fluid-sediment interactions (aka hyporheic exchange/sediment interactions as illustrated in 

Figure 1.5) occurring in the water column and the near-bed flow region are driven by the 

streamflow hydraulics, the composition of the bed sediments and the nature of surface 

bedforms, which are known to influence the surface-bed exchange (hyporheic exchange) of 

many dissolved ions and colloids (Boncagni et al., 2009). Specifically, the streambed 

exchange transfers a solute or particulate between the near-bed flow region and the sediment 

bed's top (surficial) layer (Findlay, 1995; Mojarrad et al., 2019). Stream-bed exchange is 

also influenced by the bed geomorphological features, such as the formation of rock and 

sandbars, pools, and riffles (Packman, Brooks & Morgan, 2000; Song et al., 2019). The pool-

riffle-pebble and sandbars sequence drives pressure gradients that determine the exchange 

flux of solutes and particles. These pressure gradients result in suspended solids being 

effectively pumped (advective pumping) into the bed sediments (Kunkel & Radke, 2008). 

Previous findings have reported that the exchange between the water-sediment interface is 

much greater for streambeds that exhibit uneven morphology than flatbeds (Robert & 

Uhlman, 2001; Pehnt & Helmers). These exchange gradients between surface water and the 

bed sediments transport dissolved ions and aqueous phase colloidal aggregates. Once these 

substances interact with the sediment, interactions with the sediment beds capture them, 

which is achieved by filtration or straining mechanisms (Ren & Packman, 2002; Packman, 

Brooks & Morgan, 2000b; Boncagni et al., 2009). These physical mechanisms of advective 

pumping and straining have been demonstrated to control water-sediment interfaces and play 
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a key role in solute and colloid exchange, including regulating the exposure of chemical 

substances (from anthropogenic activity) (Areepitak & Ren, 2011; Ding et al., 2020).  

 

Figure 1.15   Schematic of the influence of hydrology and natural colloid removal processes 

in a stream-subsurface system, along with grain-scale view of AgNM, natural colloid, and 

sediment interactions, including AgNM adsorption to colloids and sediments, AgNM 

desorption, coprecipitation, AgNM + natural colloid aggregation, filtration, and AgNM 

facilitated transport (adapted and synthsised for AgNM from Jin et al., (2019) & Drummond 

et al., (2020). 

 

A search for critical studies using more integrative laboratory experiments highlighted that 

larger-scale experiments, considered more environmentally representative, have been used 

to study waterborne pollutants' waterborne transport and fate. Such studies have been 

conducted to enhance the understanding of the environmental fate and transport of pollutants 

and generate fate descriptors using more comprehensive test systems. To provide a context 

for the work conducted in this thesis, the relevant literature this works builds on is 

summarised below. Kunkel & Radke (2008) investigated the influence of prevalent 

hydraulic conditions on the behaviour of pharmaceuticals in simulated rivers (lab-based 

systems). Their work generated environmentally relevant, open-channel flow (hydraulic 

conditions) in a recirculating flume. Their study focused on assessing the water column fate 
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and behaviour of pharmaceutical compounds and the effects of the interactions of the 

pharmaceuticals with sediments. Their research addressed the hypothesis that hydraulic 

interactions between surface and porewaters control (to a certain extent) the elimination 

kinetics of pharmaceuticals from surface water.  Their study, in particular, tested six acidic 

pharmaceuticals: analgesic diclofenac, ibuprofec, and naproxen and lipid-lowering agents 

bezafibrate, clofibric acid and gemfibrozil. All these compounds were thought to be 

negatively charged under within neutral freshwater. Their work highlighted that microbial 

degradation is the most critical removal pathway for pharmaceuticals in the environment and 

that a high density of micro-organisms is present within sediments. This means sediments 

are a significant degradation site for pharmaceuticals. Therefore, surface water interactions 

with sediments are crucial for eliminating pharmaceuticals from the river, as it controls the 

mass transfer of solutes from the river to the sediment (Kunkel & Radke, 2008). Their work 

demonstrated that the water-sediment exchange of the tested pharmaceuticals was faster 

under higher flow velocities. A greater degree of degradation of the pharmaceuticals was 

observed within conditions with higher flow velocities and the presence of bedforms, in 

contrast to low flow velocities and flat sediments (no bedforms). Kunkel & Radke (2008) 

concluded that increasing the exchange rate between water-sediment would be favourable to 

enhance the attenuation and degradation of organic pollutants, i.e. pharmaceuticals.  

A different study by Hitchman (2011) also used a flume-based approach to investigate the 

fate and behaviour of pollutants, in this case, gold NM (AuNM). His research assessed the 

overall mass transfer of AuNM from the water column to the bed and the movement of 

AuNM within bedforms. Hitchman's (2011) work carried out a series of controlled 

experiments conducted within a recirculating flume, where two distinct bedforms were used: 

1. A' plane' bedform was used to identify how turbulence in the absence of pressure 

variations caused by the bedform may impact the AuNM water column transport, and 2. A 

bedform designed to cause water column pressure variations and advective pumping was 

again used to explore these factors' influence on the water column transport of the AuNM. 

Hitchman's (2011) findings demonstrated that AuNM waterborne behaviour with no 

bedform present exhibited bi-directional free flow of the waterborne AuNM, throughout the 

tested time course. No point of AuNM build-up was observed within the bed, and constant 
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mixing/exchange from the bed to surface waters occurred, i.e. perpetual sedimentation and 

resuspension of the AuNM were occurring. 

In contrast, the findings for experiments with a bed-form present showed a possible general 

trend of AuNM exchange from the surface water to the bed as a function time. However, the 

author noted that the observed trend was far from conclusive. However, Hitchman (2011) 

did think that the bedforms were trapping the flocs within the bed. Hitchman's (2011) 

findings are noteworthy as they go against the convention that AgNM will deposit into the 

bed, with or without bedforms. The observed reduced deposition of coated NM when no 

bedform is present, and the inconclusive behaviour of AgNM seen in the presence of 

bedforms may indicate that stabilised AgNM in turbulent flow has a greater propensity for 

more extended-range transport in aquatic environments.  

Other work by Boncagni et al. (2009) studied the exchange of titanium dioxide 

nanomaterials (TiO2NM) from the water column to a streambed. Their work used a range of 

laboratory experiments using flumes and batch and experimental column setups. Their 

exchange experiments were conducted in a recirculating flume, which simulated a sand bed 

in a laboratory setting. Their work addressed stream-subsurface exchange, which is the 

exchange of a solute between the surface and the shallow subsurface, which occurs within 

streams. This exchange is influenced by the shape and form of the bedforms, i.e. bed 

topography, such as sand waves or pools and riffles. The exchange processes can transport 

particulates into streambeds where retention of the particles can occur due to their 

interactions with the sediments. Such interactions can filter or strain water column particles, 

possibly including waterborne NM. Their work assessed the effect of pH on TiO2NM to 

modify its water column transport and interactions with sediments. The work was conducted 

with two different types of TiO2NM powder, TiO2NM-P25 (Degussa), a standard material 

in photocatalytic reactions and contains anatase and rutile crystal phases in a ratio of about 

3:1 and their own synthesised NM (TiO2NM-syn). Boncagni et al. (2009) demonstrated that 

TiO2NM-P25 deposited faster than synthesised TiO2NM-syn and that both types of NM were 

quickly released from bed sediments when the flow velocity was increased. The amount of 

P25 that persisted in the water column was also considerably higher (about 50%) than the 

synthesised particle.  Their findings also supported that the flocculation and deposition of 

TiO2NM-P25 were highly pH-dependent, with different behaviour displayed between pH 
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6.0 and 10.0. At pH 10.0, the surface of P25 TiO2 was more negative, which was thought to 

decrease the degree of aggregation and decrease the level of sedimentation.  In addition, the 

two types of TiO2 exhibited different deposition mechanics at pH 6.0, which was thought to 

do with their different degrees of aggregation state at this pH. The difference in 

sedimentation was also thought to be due to how the NM interacted with the sediment 

differently within the different pHs of 6.0 and 10.0. Boncagni et al. (2009) successfully 

demonstrated how a flume-based approach revealed how two different forms of TiO2NM 

exhibited different transportation behaviours and subsurface stream exchange under 

different pH regimes. Such findings have significant implications for the environmental fate 

of TiO2NM.  

In conclusion, a flume-based approach is comprehensive in that it provides more accurate 

control over the environmentally relevant hydrology, i.e. the flow velocity and the magnitude 

of the turbulence. The characteristics of the stream-subsurface hydraulic exchange can be 

tested (i.e. the respective pressure gradients generated by the absence or presence of 

bedforms). The fate descriptors generated from such experiments are more likely to represent 

natural systems. 

 

1.2.8 The adverse biological effects of AgNM across aquatic species  

The biocidal activity of silver is a crucial property of its use, which is responsible for AgNM 

incorporation into many consumer products, and such usage has been reported throughout 

the literature over the past three decades (Scheringer et al., 2010; Ellis et al., 2018; Piecková 

et al., 2021). Historical studies of the fate of ionic silver in the environment have 

demonstrated it to be persistent in aquatic habitats and also showed it to be highly toxic to 

aquatic organisms (Hogstrand & Wood, 1998; Erickson et al., 1998; Hogstand & Wood, 

1996; Wood et al., 2004; Ema et al., 2017). Within lab studies, silver (Ag) in its nano form, 

has also been shown to elicit in vivo toxicity to a whole range of taxonomic groups, from 

freshwater, terrestrial and marine ecosystems (Navarro et al., 2008; Chio et al., 2012; 

Gambardella et al., 2014; Sharma et al., 2014; Stoiber et al., 2015).  

The potency of AgNM toxicity within aquatic compartments relates to the degree of influence 

environmental transformation processes have, i.e. the impact of weathering or ageing 

processes, such as surface reactions (oxidation; the release of ions), and the formation of 
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Eco-corona’s (Galloway, Cole & Lewis, 2017; Spurgeon, Lahive & Schultz, 2020). The 

AgNM scientific literature has ongoing discussions about the exact mechanisms that cause 

AgNM toxicity. A fundamental debate is what proportion of AgNM toxicity is from its nano 

form, what proportion is from AgNM concomitant dissolved fraction, and if there are nano-

specific-effects, which may need to be considered independently from its ionic forms 

(Kleiven, Macken & Oughton, 2019; De Matteis et al., 2015; Marimuthu et al., 2020). Once 

internalised into an organism, AgNM, among other NM and their dissolved fractions, have 

been demonstrated to be systemically active and to interact with biological functions 

adversely (Novo et al., 2015; Nair, Park & Choi, 2013; van Aerle et al., 2013; Talarska, 

Boruczkowski & Żurawski, 2021).  

Specifically, AgNM is taken up by a whole range of cell types from different organisms and 

is believed to become internalised in cells via endocytosis, among other mechanisms (Arora 

et al., 2009; Locht et al., 2011; Gaiser et al., 2013; Haase et al., 2012; Li & Wang, 2021). 

Cellular uptake of AgNM has been established in mammalian, zebrafish and human cell lines 

(Milić et al., 2015; Khan, Yasmin & Townley, 2020; Quevedo, Lynch & Valsami-Jones, 

2021; Malysheva et al., 2021). In addition, In vivo uptake of AgNM has also been 

demonstrated in aquatic organisms, such as algae, water fleas, worms, and fish (larvae and 

adult) (Yan & Wang, 2021; Little et al., 2021; Zeumer et al., 2020). Many studies have 

demonstrated that intracellular AgNM causes cytotoxicity, such as cell membrane damage 

and inhibiting signalling pathways, which in some cases can inhibit cell proliferation 

(McShan, Ray & Yu, 2014; Yue et al., 2016; Chang et al., 2021). Silver nanomaterials can 

produce ROS and trigger cellular antioxidant mechanisms within cells (Piao et al., 2011). 

Studies have also shown that internalised AgNM and Ag+ can cause mitochondrial 

dysfunction and damage DNA, and alteration is to repair mechanisms (Chatterjee, Eom & 

Choi, 2014; Toprani et al., 2021). For a schematic of the mechanisms of damage internalised 

AgNM and Ag+ can cause, see Figure 1.16. 
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Figure 1.16   The emerging cellular mechanisms of cellular AgNM toxicity. Originally was 

presented by (McShan, Ray & Yu, 2014). 

 

 

 

Figure 1.17 Aquatic species sensitivity distribution to the toxicity of waterborne AgNM. The 

figure shows the toxicity of AgNM in 10 species, and the grey band indicates 95% confidence 

intervals. The image is courtesy of Garner et al. (2015). 

 

There are three overarching hypotheses for the AgNM mechanism of toxicity. The first 

indicates AgNM is a passive Ag+ payload, and as such, AgNM dissolved fraction is 
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responsible for its aquatic toxicity. The second indicates that AgNM toxicity to aquatic 

organisms results from particle-only effects, such as particle-possible mechanistic damage 

of cell membranes and the physical interruption of processes, the production of reactive 

oxygen species (ROS) on the cell surface, or the sequestration of important macromolecules. 

The third proposes a combination of the first two mechanisms, which in some cases may 

lead to a trojan horse effect, where particles are delivered at the intracellular level and then 

proceed to dissolve, delivering a localised high concentration of Ag ions. A  growing body 

of published studies assessing the effects of AgNM on aquatic organisms, in many cases, 

compare the effects of waterborne AgNM to those of ionic Ag (often supplied as AgNO3) 

and, in some cases, bulk silver (>100 nm size); in order to identify the proportion of toxicity 

that can be attributed to dissolved or nano-specific effects (Garner et al., 2015; Huang et al., 

2018; Yan, Tang & Wang, 2021). Several studies propose that AgNM concomitant dissolved 

fraction (Ag+) is responsible for its toxic nature and that the observed toxicity profiles fit 

Ag+ rather than any nano-specific effects caused by the particles themselves  (Aerle et al., 

2013; Osborne et al., 2012; Tortella et al., 2020; Yan, Tang & Wang, 2021).  

However, recently, proposals have supported a direct physical effect of the AgNM particles 

themselves, such as via chelation of antioxidant enzymes (Liu, Worms & Slaveykova, 2020).  

Support for the dual mechanisms of AgNM particles and dissolved Ag+ working in synergy 

is also growing (Hsiao et al., 2015; Dang et al., 2020). The proposals in the literature 

concerning the AgNM mode of action make it difficult to extrapolate a general mode of 

AgNM ecotoxicology across organisms within aquatic systems (Anees Ahmad et al., 2020). 

This is due to several factors, such as the variances between an organism’s ecological niche, 

such as pelagic or bottom-dwelling, which will drive the fate and exposure of AgNM 

differently, and, therefore AgNM interaction with an organism (Doolette et al., 2013). 

Furthermore, differences in an organism’s routes of uptake, such as the proportion of uptake 

via dietary (ingestion) or aqueous routes (dermal or respiratory surface), and differences in 

an organism's internalised processing of AgNM (i.e.  Absorption-Distribution-Metabolism-

Excretion and detoxification mechanisms) are also important factors (Handy, Owen & 

Valsami-Jones, 2008; Stone et al., 2015; Cross, Tyler & Galloway, 2019). Such factors 

control an organism’s AgNM uptake biodynamics and an organism’s body burden (Gaiser et 

al., 2012; Vazquez-Muñoz et al., 2017; Kuehr et al., 2020; Khodaparast et al., 2021). 
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Species-specific differences in how AgNM toxicity is systemically regulated and neutralised 

via detoxification pathways lead to varying toxicity sensitivities among freshwater 

organisms, as shown in Figure 1.17. The findings to date for aquatic species sensitivities 

indicate that Daphnia spp. (water fleas) are shown to be the most sensitive, followed by 

algae, then snails. Adult Zebrafish (Danio rerio) showed the lowest sensitivity. For a 

summary of a range of adverse effects and toxicity reported to be caused by AgNM in a 

variety of freshwater organisms, see Table 1.2.
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Table 1.2 An overview of the toxicity and effects of AgNM across different aquatic trophic levels. 

CLASSIFICATION ORGANISMS HABITAT SIZE EXPOSURE FINDINGS AUTHORS 

MICROBES Escherichia coli All 12 nm 50–60 µg 
cm−3 

Inhibition of bacterial growth 
Increased permeability due to 
the formation of “pits” 

Sondi & 
Salopek-
Sondi, 2004 

MICROBES Pneumocystis sp All 30–45 
nm 

50 µg mL−1 Generation of free radicals Kim et al., 
2007 

MICROBES Yeast All 13.5 nm 13.2 nM Loss in permeability of the 
membrane 

Kim et al., 
2007 

MICROBES Escherichia coli All From 39 
to 41 nm 

0.1–10 µg 
mL−1 

Truncated AgNPs possess 
biocidal effect 

Pal, Tak & 
Song, 2007 

MICROBES Escherichia coli All 10 nm 0.1–1 mg L−1 Damage occurred in protein 
and membranes 

Hwang et al., 
2008 

MICROBES Nitrifying bacteria All 21 nm 0.05–1 mg 
L−1 

Generation of Reactive Oxygen 
Species 

Choi et al., 
2008 

MICROBES Autotrophic 
nitrifying bacteria 

All 14 ± 6 
nm 

1 mg L−1 Respiration declined by 87% 
(calculated) 

Choi and Hu, 
2008 

MICROBES Pseudomonas 
fluorescens 

All 65 ± 30 
nm 

0–2000 ppb The toxicity of AgNPs varies 
according to the pH 

Fabrega et al., 
2009 

MICROBES Pseudomonas 
putida biofilm 

All 65 ± 30 
nm 

0–2000 ppb Toxicity of silver nanomaterials 
enhanced in combination with 
organic matter 

Fabrega et al., 
2010 

MICROBES Aspergillus sp All 30–45 
nm 

50 µg mL−1 AgNPs shows antifungal activity 
by suppressing the growth of 
fungal cells 

Kuppusamy 
et al., 2015 
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CLASSIFICATION ORGANISMS HABITAT SIZE EXPOSURE FINDINGS AUTHORS 

MICROBES Bacterial and fungal 
community 
structures 

Soil/sediment 20–30 
nm 

1, 5, 10, 25 
and 50 mg 
kg−1 

Soil enzymes  dehydrogenase& 
urease activity was  reduced by 

1 &10 mg/l of AgNM, 

respectively. Study 
demonstrates that  soil 
microbial communities of 
bacterial and fungal, are highly 
sensitive to AgNP, where 
community structures and key 
functional processes were  
disrupted by relatively low 

levels of AgNM 

contamination. 

McGee et al., 
2018 

MICROBES Microbial 
community 
composition 

Freshwater 10nm 0.1, 1, 10, 
100 and 
1000 µg/l 

The exposure to AgNM 

significantly influenced the 
structure of the microbial 
community. With changes seen 
to the heterotrophic bacteria 
and cyanobacteria 
composition.  

Lu et al., 2020 

MICROBES Aquatic fungi - 
Articulospora 
tetracladia 

Freshwater 32nm 7.5-120 µg/l Responses revealed 258 up and 
162 down-regulated genes 
upon exposure to AgNPs and 
448 up- and 84 down-regulated 
genes under exposure to Ag+. 
Different gene expression 
patterns were found after 
exposure to each silver form, 
suggesting distinct mechanisms 
of action. 

Barros et al., 
2021 

PLANTAE/ALGAE Chlamydomonas 
reinhardtii 

Aquatic 10 nm 10, 50, 100, 
and 500 µM 

Reduction in photosynthetic 
yield of 
algae 

 

PLANTAE/ALGAE Thalassiosira 
weissflogii 

Aquatic 60–70 
nm 

0.02–0.0002 
nM 

Suppressed chlorophyll 
production, 
photosynthetic activity and 
hence 
growth of the cell 

Navarro et 
al., 2008 
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CLASSIFICATION ORGANISMS HABITAT SIZE EXPOSURE FINDINGS AUTHORS 

PLANTAE/ALGAE Chlamydomonas 
reinhardtii 

Aquatic 25 ± 13 
nm 

EC50 1H: 
3300 nM; 
EC50 5h: 829 
nM 

Toxicity of silver ions observed 
released from AgNp 
accumulated in cell. 

Miao et al., 
2009 

PLANTAE/ALGAE Thalassiosira 
weissflogii 

Aquatic 60–70 
nm 

0.02–0.0002 
nM 

Decreased production of 
chlorophyll 
and low photosynthesis rate 

Navarro et 
al., 2008 

PLANTAE/ALGAE Ochromonas 
danica 

Aquatic 1–10 nm More than 
10 µM 

Showed inhibiting effect even 
after 
supplementation of 
glutathione 

Fabrega et al., 
2010 

PLANTAE/ALGAE Ceramium 
tenuicorne 

Aquatic <5, 5–10 
nm 

26.6 µg L−1 AgNPs induce toxic effects in 
organism 

Miao et al., 
2010 

PLANTAE/ALGAE Chlorella vulgaris, 
Dunaliella 
tertiolecta 

Aquatic 50 nm 0–10 mg L−1 Strong decrease in chlorophyll 
content as well as formation of 
ROS and lipid 
peroxidation takes place 

Macken et al., 
2012 

PLANTAE/ALGAE Chara vulgaris Aquatic 10–15 
nm 

0.9 mM Green coloured thalli turned 
yellow due 
to progressive loss of 
chlorophyll 

Oukarroum 
et al., 2012 

PLANTAE/ALGAE Pithophora 
oedogonia 

Aquatic 10–15 
nm 

1.5 mM Fragmented and disintegrated 
chloroplasts; thin and ruptured 
cell wall; 
condensed and clumped 

Das et al., 
2012 

PLANTAE/ALGAE Pseudokirchneriella 
subcapitata 

Aquatic 80 nm Nominal 
EC50- 5.25 ± 
1.82 

Growth inhibited in a NM size 
dependent 
manner 

Das et al., 
2012 

PLANTAE/ALGAE Chlorella sp. Aquatic <100 nm 10 ppm Shown to hurt 
chloroplasts, and finally death 
of cells 

Ivask et al., 
2014 
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CLASSIFICATION ORGANISMS HABITAT SIZE EXPOSURE FINDINGS AUTHORS 

PLANTAE/ALGAE Chlamydomonas 
acidophila 

Aquatic 50 nm 1, 10, and 
100 mg L−1 

Altered chlorophyllous 
contents, cellular and 
parameters like cellular 
viability,generation of 
intracellular ROS 

Zaidi et al., 
2014 

PLANTAE/ALGAE Chattonella marina Aquatic 50 nm 10 µM Generation of ROS Oukarroum 
et al., 2014 

PLANTAE/ALGAE Chlorella vulgaris Aquatic 20 nm +- 5-70 µg/l Positively charged AgNM had 

a 20x higher uptake then 
negatively charged particles. 
Positively charges particles 
were also eliminated faster, 
than negative particles. 

Zhang et al., 
2020 

PLANTAE/ALGAE Chlamydomonas 
reinhardtii 

Aquatic 60-
120nm 

0-50 mg/l The study found chloroplasts 
were damaged and the 
synthesis of photosynthetic 
pigments was inhibited, 
reactive oxygen species (ROS) 
were produced, antioxidant 
enzymes including superoxide 
dismutase and peroxidase were 
activated. 

Zhao et al., 
2021b 

INVERTEBRATE Californian 
blackworm 
Lumbriculus 
variegatus 

Aquatic 12-50 
nm 

10-1400 
mg/kg 

The toxic effects were related 
to the bioaccessible 
concentration of dissolved Ag in 
the sediments. No support of 
an NP-specific mode of action. 

Rajala et al., 
2018 

INVERTEBRATE Lumbriculus 
variegatus 

Aquatic 15nm 0-1.5 mg/l The findings found inhibited 
predation-avoidance 
behaviour, increased catalase, 
support of a  nano-specific 
effect, and demonstration of 
protective effects of natural 
organic matter.  

Little et al., 
2021 
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CLASSIFICATION ORGANISMS HABITAT SIZE EXPOSURE FINDINGS AUTHORS 

VERTEBRATE/ 
CHORDATA/ 
FISH 

Zebrafish (Danio 
rerio) embryos 

Aquatic 5–20 nm 5-100 μg l-1 
for 72 h 

Dose-dependent increases in 
mortality & decreases in heart 
rate. Hatching is only affected 
at the highest treatment. Most 
NPs deposited in the cell 
nucleus, but the uniform 
distribution of NPs was seen 
throughout the embryo. Body 
malformations in embryos 
exposed above 50 μg l-1. 

He et al., 
2012 

VERTEBRATE/ 
CHORDATA/ 
FISH 

Zebrafish (Danio 
rerio)-adult fish 

Aquatic 26.6 ± 
8.8 nm 

0-10 mg l-1 
followed by 
experiments 
with fish 
exposed to 
0.6-2.78-fold 
the LC50 
(both for 48 
h) 

Ag-NP LC50 of 7.07 mg l-1 in 
adult fish and 7.20 mg l-1 in 
larvae; less toxic than soluble 
Ag 

Asharani et 
al. (2008) 

VERTEBRATE/ 
CHORDATA/ 
FISH 

Zebrafish (Danio 
rerio) embryos 

Aquatic 10-20 
nm 

0-20 μg l-1 
from 2.5 
to72 hpf 

Exposure to 250 μM of each Ag-
NP treatment resulted in 
particle size dependent 
mortality after 24 h (80, 64, 36, 
and 3 % mortality respectively) 
rising to 100 % at 120 hpf. 
Uptake of Ag into the embryo 
not seen in control fish. 

Griffitt et al. 
(2008) 

VERTEBRATE/ 
CHORDATA/ 
FISH 

Japanese medaka 
(Oryzias latipes) 4-5 
months old 

Aquatic 49.6 nm 0-50 μg/l for 
96 h and 0-
25 μg/l for 
10 d 

Similar 96 h LC50 values for Ag-
NPs and AgNO3 (34.6 ± 0.9 and 
36.5 ± 1.8 μg/l respectively). 
Expression of stress related 
genes indicated different 
modes of toxicity between Ag-
NPs and soluble Ag ions 
(AgNO3). 

Bar-Ilan et al. 
(2009) 

VERTEBRATE/ 
CHORDATA/ 
FISH 

Zebrafish (Danio 
rerio) embryos 

Aquatic 5–35nm NA Phenotypic changes 
starting from 25 mg/ml 
and increasing 
concentrations 

Chae et al. 
(2009) 
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CLASSIFICATION ORGANISMS HABITAT SIZE EXPOSURE FINDINGS AUTHORS 

VERTEBRATE/ 
CHORDATA/ 
FISH 

Oncorhynchus 
mykiss 

Aquatic 37-55 
nm 

Diet 100 
mg/kg 

There was detection of silver-
containing particles in the 
organs following exposure to 
both dissolved and particulate 
forms of Ag. 

Clark et al., 
(2021) 

VERTEBRATE/ 
CHORDATA/ 
FISH 

Cyprinus carpio Aquatic  Long term 
blood-
mediated 
exposure: 
0.03, 0.06, 
and 0.09 
mg/L 

AgNM Bioaccumulation was 

found with in major organs led 
to histopathological 
alterations; including damaged 
structure of gill tissue and have 
caused necrosis. 

Kakakhel et 
al., 2021 
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Antimicrobial effects (i.e. growth inhibition) from AgNM have been described for many 

microorganisms, such as Escherichia coli, and Pseudomonas putida (for a more extensive 

review of the cytotoxicity and genotoxicity of AgNM in microbial life, see De Lima et al. 

2012) and Anees Ahmad et al., (2020). Early studies with microbial models demonstrated 

that The particle's physicochemistry modulates AgNM waterborne toxicity to microbes. For 

example, El Badawy et al. (2011) substantiated that AgNM-particle surface charge is critical 

in modulating bacterial toxicity to Bacillus sp. Whose work also reported that AgNM toxicity 

was controlled by biotic factors, such as the structure and charge of an organism’s cell 

membranes. In addition,  El Badawy et al. (2011) study demonstrated that functionalised 

AgNM toxicity to bacteria (Bacillus sp.) was charge-dependent, with negatively charged 

AgNM showing less toxicity in contrast to positively charged AgNM.  Although studies have 

investigated NM behaviour in complex aqueous matrices (Keller et al., 2010; Römer et al., 

2011; Mallevre et al., 2016), research regarding the direct influence of abiotic factors to 

freshwater AgNM toxicity is still limited. Connecting how abiotic factors modulate AgNM 

water column behaviour (aggregation/agglomeration), sedimentation and dissolution and 

relating how these variable environmental factors control and drive toxicity is vital for 

considering their impact on microbes (Kansara et al., 2022). Pioneering work on the control 

abiotic components have on the waterborne toxicity of AgNM to microbes was done by 

Pokhrel et al. (2014), who demonstrated that natural freshwater chemistry modulates the 

antimicrobial activity of citrate-functionalised-AgNM to Escherichia coli. Specifically, 

Pokhrel, Dubey & Scheuerman (2014) study tested the variable effects of different types of 

natural river water on AgNM toxicity. Their findings found causal relationships between 

changes in AgNM hydrodynamic diameter (HD), surface charge and plasmonic absorbance, 

and colloidal stability and links to physical AgNM behaviour and biological effects. Their 

discoveries highlighted that physical factors, such as increased dissolved organic carbon 

(D.O.C.) and variable pH, protected E.coli exposed to citrate-coated AgNM. These studies 

highlighted abiotic factors that may also be important in simulating waterborne AgNM to 

other aquatic species.  

Silver NM have also been demonstrated to be toxic to various algae and fungi, where a 

reduction in growth and impacts on photosynthesis has been reported (Ameen et al., 2021; 

Zhao et al., 2021c). In algal, AgNM and ionic silver have shown different effects. Studies on 



Chapter 1: General introduction and thesis research premises  

69 

 

green alga Pseudokirchneriella subcapitata, showed that AgNM caused lower toxicity than 

ionic silver (Ribeiro et al., 2014).  In contrast to these findings, a study conducted with the 

alga Chlamydomonas reinhardtii, showed higher toxicity for AgNM than ionic silver 

(Navarro et al., 2008). The aquatic toxicity (i.e. mortality) of AgNM has also been 

demonstrated to be present for freshwater invertebrates such as Caenorhabditis elegans 

(Mendonça et al., 2017) and water fleas Daphnia magna, where dose repose AgNM toxicity 

has been demonstrated for all these species (Gao et al., 2012; Little, 2017). The benthic 

oligochaete, Lumbriculus variegatus is a standard test species for sediment toxicity testing 

with a recommended test period of 28 days (OECD test guideline 225; OECD 2007). L. 

variegatus simultaneously occupies water and sediment compartments.  The blackworms 

realised niche exposes them to contaminants from overlying water, sediment pore water and 

sediment particles. Waterborne exposures have previously demonstrated AgNM to be toxic 

to L. variegatus  (Khan et al., 2015; Little, 2017). The aquatic blackworm has a wide 

distribution across North America and Europe, which means this species forms a major prey 

item in the aquatic food chain, with the potential for trophic transfer of contaminants 

(Drewes, 1999; Cross, Tyler & Galloway, 2019). In a recent study, AgNM was also toxic to 

Californian blackworms during a chronic sediment toxicity test (Little et al., 2021). 

Silver NM toxicity is also present in vertebrates, such as fish, where many adverse effects 

have been listed, such as oxidative damage and genotoxicity (Abramenko et al., 2018; 

Khoshnamvand et al., 2020; Clark et al., 2021). AgNM is toxic in freshwater fish species, 

and toxicological effects have been seen at low concentrations (Birge & Zuiderveen, 1995; 

Handy et al., 2011; Bacchetta et al., 2017).  Exposure to AgNM leads to adverse physiological 

effects, such as respiratory distress, which can result in the death of an organism (Hogstrand 

& Wood, 1998; Shaw & Handy, 2011). The studies on freshwater fish species, which have 

assessed AgNM toxicity, have shown high variability in toxic effects between studies and 

studies using the same species (Yeo & Yoon, 2009; Asharani et al., 2008). These 

contradictory results may be attributed to the different physiochemistry of different tested 

AgNM, such as differences in sizes, shapes and coatings. Reviewing the literature suggests 

that generally, aqueous phase silver or dissolved (Ag ions) are more toxic to freshwater fish 

than nano-forms of silver (Ribeiro et al., 2014).  For example, AgNM enter systemic 

circulation via the gills and dietary routes (Quevedo, Lynch & Valsami-Jones, 2021; Kim et 
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al., 2013). Their uptake has caused heart abnormalities, reduced mobility and stunted growth, 

among other developmental effects in zebrafish (Asharani et al., 2008; Bowman et al., 2012). 

The findings of Aerle et al. (2013) concluded that the mechanisms of toxicity of AgNM are 

associated with the AgNM dissolved fraction. However, differential transcriptomic responses 

were seen between the different forms of silver within their study. 

1.3 Problem statement and thesis rationale, and research premises 

The premises for the research's aims and objectives within this thesis were synthesised after 

reviewing the literature. The underpinning rationale was born out of the following considerations 

discussed below. Growing scientific evidence indicates the negative impacts of AgNM on a 

whole plethora of organisms, which is a valued reason for concern regarding the impact AgNM 

may have in freshwater environments. During reading, an identified question was “what is the 

transferable relevance of laboratory studies?”. Lab-based studies do not fully represent natural 

systems' complexities, so their environmental relevance can be questioned. Many studies 

demonstrate that aquatic parameters can substantially modulate AgNM adverse effects on 

organisms (as is reviewed in Spurgeon, Lahive & Schultz, 2020). However, due to the 

complexity of the fate and behaviour of AgNM and the myriad of ways abiotic interactions 

govern AgNM toxicity in aquatic environments, its actual risk is still unclear (Suhendra et al., 

2020). 

 Many approaches are being adopted in the AgNM ecotoxicology research, where efforts enhance 

our understanding of AgNM environmental fate, exposure, and hazard. These efforts are 

primarily divided into 1. Physical studies are looking at contributing to our understanding of the 

fate of AgNM by focusing on their physical behaviour within environmental compartments, and 

2. Biological studies are trying to understand the mode of action of AgNM and the potential 

biological hazards they may have to freshwater organisms. 3. Studies that try and tie the two 

together using more complex experimental designs, such as mesocosm. These studies strive for 

a more comprehensive understanding of how environmental ageing modulates AgNM toxicity.   

Some of these efforts range from investigating the effects of isolated abiotic factors (from 

freshwater and terrestrial and airborne environments) on AgNM physicochemistry to making 

connections with AgNM physical behaviour and the implications on potential environmental 

exposure.  For example, studies demonstrated that natural freshwater colloids (NC) increase 

AgNM waterborne aggregation rates and aqueous phase removal (Quik et al., 2012). To assessing 
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the effects that AgNM (and others) and sediment interactions have on their fate, where finings 

support that sediments attenuate waterborne NM, and their concomitant dissolved fractions can 

be resuspended and released back into the water column (Cornelis et al., 2013, 2014). Plenty of 

other’s studies have also demonstrated chronic toxicity to aquatic organisms, where a range of 

standard biological endpoints such as mortality, reproduction, genotoxicity, cell membrane 

peroxidation and oxidative stress have been observed (Wirth, Lowry & Tilton, 2012; Liu, Worms 

& Slaveykova, 2020; Toprani et al., 2021). There are also plenty of studies that support that 

different elemental compositions and particle surface coatings lead to different degrees of 

adverse effects in model organisms; from a range of trophic levels (Scown et al., 2010; Ahamed 

et al., 2010; Choi et al., 2010; Gagné et al., 2013; Khan et al., 2015). Other studies have also 

established relevant ligand binding coefficients, defined AgNM accumulations biodynamics and 

contrasted the differences in the effect of pristine and ‘aged’ AgNM on organisms, where overall 

fining support that environmental ageing reduces AgNM aquatic toxicity (Arvidsson et al., 2018; 

Zhang et al., 2020; Ellis et al., 2020; Spurgeon, Lahive & Schultz, 2020).  

Generally, the works of literature support that specific characteristics of AgNM are proxies of 

their fate and play a key role in modulating their environmental fate and transport, which has 

implications for AgNM waterborne bioavailability and bioaccumulation.  These key particle 

characteristics are particle size, shape, charge, chemical composition, surface area, solubility and 

aggregation state, and water column residence time  (Navarro et al., 2008a; Islam, Jacob & 

Antunes, 2021). These key physical characteristics have also been identified as critical factors 

determining how AgNM interact with aquatic organisms. In addition, many studies have directly 

demonstrated that these AgNM parameters are influenced by water chemistry (e.g. electrolyte 

composition; concentrations/valences, pH level, organic matter, natural colloids) (Nowack et al., 

2012; Lowry et al., 2012; Benn and Westerhoff, 2008; Westerhoff and  Hristovski, 2013; Kiser 

et al., 2012; Kaegi et al., 2013).  

 In many commercial applications, coatings are added to AgNM, and findings demonstrate they 

increase the dispersibility/stability of AgNM and enhance their role as a biocide (Stone et al., 

2015). Among these coating agents, the most frequently used AgNM coatings are organic 

polymers, such as polyvinylpyrrolidone (PVP), polyethene glycol (PEG), silica, starch, citrate or 

different amino acids (Ellis et al., 2016). Other molecules can also modify the surface of NM, 

including microbial secretions, biological fluids and proteins within organisms; such 
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‘Ecocorona’ formation has been shown to change AgNM surface reactivity and systemic 

bioavailability (Nasser & Lynch, 2016). In particular, the protein corona of AgNM has been 

associated with cell membrane adhesion,  uptake,  vesicle trafficking, and stress responses  (Xu 

et al., 2020). 

Concerning waterborne aggregation, the general conclusions are that this may also decrease 

toxicity (Handy et al., 2012). In addition, AgNM aggregation is associated with increased settling 

rates (removal from the water column) of AgNM, which decreases the waterborne concentration 

of AgNM in the water column, thus decreasing the bioavailability for pelagic organisms (Ellis et 

al., 2018a). Environmental conditions that favour dissolution, such as low pH waters, may 

release more dissolved silver into the water column, increasing its bioavailability, thus, likely 

increasing the risk in such waters (Navarro et al., 2008; Zhang et al., 2019). However, it was 

recognised that there was still room for further contributions for physical studies that will help 

elucidate the water column behaviour of AgNM, in particular with a focus on addressing the role 

of water chemistry and the influence organic and inorganic matter may have AgNM water 

column persistence. 

Having established an understanding of the published research on AgNM, the research premises 

and motivation for this thesis were to design experiments that better introduced an environmental 

context or at least to conduct experiments that close the gap between field and lab studies by 

mimicking or simulating components of natural environments as closely as possible. When 

assessing the impacts of pollutants within aquatic systems, this objective has been the focus of 

other researchers' efforts, which used experimental approaches that simulate riverine systems, 

for example, De Jonge et al. (2012), Kunkel and Radke (2008), Brinkmann et al. (2010) and 

Hitchman, Adam, (2011); used flow-based systems to introduce ‘environmental relevancy’ into 

their experimental designs. Specifically, these studies assessed waterborne heavy metal toxicity, 

pharmaceutical fate and toxicity, and the transport of gold NM. Their experimental designs 

incorporated test systems which simulated environmental open channel flow and sediment 

interfaces. Other studies have investigated AgNM environmental fate and toxicity within static 

(lentic) aquatic wetland microcosms (Unrine et al., 2012; Lowry et al., 2012). Furthering this, 

other research has been completed where artificial streams (flumes) were used to study the 

impact of organic chemicals (not NM) on lotic freshwater invertebrate communities (Jungmann 

et al., 2001). 
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Figure 1.18 A) A schematic of the processes involved in assessing AgNM fate and interactions with freshwater organisms. The 

critical differences in processes between lentic and lotic environments are listed. The depiction is adapted from Simmons & 

Wallschläger (2005).  B)  This diagram highlights our lack of understanding of the role of hydraulic processing in regulating 

AgNM aquatic exposures, which is the critical focus for the aims and objectives of this thesis. 
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Reading these approaches inspired this body of research; hence, the aim to apply adapted 

versions of these test systems was born. The objective is to investigate the effects of turbulent 

flow and sediment interfaces on the fate, exposure, and bioavailability of AgNM within 

aquatic systems; as a function of time with different abiotic conditions, such as investigating 

the effects of organic, inorganic matter within the riverine flow. Building on this, the 

inspiration for this research was to investigate the effects of environmentally relevant 

physical factors, such as flow velocity and turbulence, and to create the possibility of 

evaluating the effects of bed sediment interactions on AgNM aqueous phase 

physicochemistry and exposure.   Therefore, a flow channel, known as a flume, was designed 

and built.  Figure 1.18A illustrates how AgNM may interact with organisms within a simple 

trophic cascade and lists how aquatic environments of lentic, and lotic conditions are 

different, and Figure 1.18B visually proposes the question of how lotic (flowing conditions 

like a stream) conditions and abiotic factors may drive AgNM aquatic bioavailability 

differently, relative to lentic (static system like a pond or lake or still water in streams) 

system. 

1.4 The thesis aims and objectives 

1.4.1 Objective 1: To make contributions towards the understanding of AgNM waterborne 

behaviour within quiescent conditions 

It has been identified that environmental exposure to AgNM in aquatic systems is modulated 

by environmental factors (Klaper, 2020). Over the past decade, many studies have focussed 

on assessing the aggregation and sedimentation behaviour of AgNM in aquatic environments, 

where the effects of water chemistry and organic matter on the behaviour of AgNM in the 

water column have been assessed (Velzeboer et al., 2014; Ellis et al., 2018a). Many of these 

studies have addressed the aggregation behaviour of non-functionalised (uncoated) AgNM. 

However, functionalised AgNM is possibly more likely to persist within freshwater systems 

(Li & Lenhart, 2012). After reviewing the literature, it was further identified that there was a 

shortage of studies investigating AgNM temporal behaviour over longer timeframes (i.e. days 

or even more extended periods such as 1-2 weeks) and 2. There is also a lack of studies that 

address the behaviour of AgNM concomitant dissolved fraction as a function of a longer 

period. Therefore, this chapter aimed to investigate AgNM Physico-chemical behaviour 
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within the water column within environmentally relevant freshwaters (synthetic).  

Specifically, differences in aqueous phase AgNM removal, agglomeration, aggregation state, 

and dissolution were addressed. The approach used different freshwater types; to identify 

differences in AgNM between soft and hard waters, with and without organic matter, within 

quiescent conditions. Over a timescale that reflects acute toxicity studies (24-96hrs). This 

was done to make links between trends in physico-chemistry and relate these to trends in 

aqueous phase toxicity. This was the focus of Chapter 3.  The hypotheses for this chapter 

was that AgNM would be less persistent within high hardness freshwater, and that model 

organic matter would stabilise the particles as a function of time, causing increased 

persistence in the water column. 

1.4.2 Objective 2. To make contributions towards the understanding of the role of 

turbulence and sediments on AgNM water column fate and behavior 

Since it is not feasible to study AgNM fate directly in the environment, this component of the 

research aimed to address the recent questions of how freshwater hydrology modulates the 

water column fate of AgNM by developing test systems that simulate environmental 

conditions, such as that which mimics a stream, and water column and sediment interface. 

As identified in the literature, a stream's local hydraulics (e.g. flow type and transport 

properties) will influence collisions' frequency and kinetic energy (i.e. orthokinetics) between 

AgNM. Such collision interactions under Brownian motion drive AgNM aggregate 

attachments and the flocculation mechanics. Therefore modulating AgNM aqueous phase 

residence time (Buffle et al., 1998). However, when turbulence is incorporated into a system, 

the frequency of collisions increases, leading to a faster floc formation, which leads to higher 

settling rates of the AgNM, as some researchers have shown (Quik et al., 2014). In addition, 

studies have shown that in the presence of sediments, NM are likely to be attenuated by 

sediments (Koelmans, Nowack & Wiesner, 2009; Mojarrad et al., 2019). Interaction of 

surface water AgNM with neutral natural colloids is also likely to increase their removal from 

the water column by heteroaggregation with suspended solids (Stolzenbach, Newman & 

Wong, 1992). Therefore, a realistic approach to assessing AgNM fate and transport must 

consider the effects of turbulence/flowing water when simulating environmental fate 

scenarios.  This observation led to hypothesis 1. That contrasting hydrology will drive the 

waterborne behaviour of AgNM differentially, and 2. The presence of sediments would 
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influence that AgNM persistence in the water column. This is the study topic of Chapters 4-

5.  

1.4.3 Objective 3. To make contributions towards the understanding of how AgNM 

waterborne toxicity is influenced by water hardness and organic and inorganic matter 

During the synthesis of the rationale for this research component, it was identified that 

conducting experiments that accurately identify what modulates the aquatic toxicity of 

AgNM would contribute further to understanding the risk AgNM may pose in aquatic 

environments. To achieve this goal, it was concluded that classical endpoints, such as 

mortality and survival (concentration-response experiments), would be a good premise for 

these experiments.  

For example, some studies support that AgNM acute toxicity is affected by environmental 

fate processes (ageing). This is driven by variable water chemistry and the effects of 

complexation with organic and inorganic matter (Gao et al., 2012; Zhou and Keller, 2012).  

Having identified the environmental-related properties such as water hardness are critical in 

determining AgNM environmental aqueous phase toxicity, and there are limited studies that 

address this topic comprehensively. It was considered important to study the relative 

influence of abiotic factors on AgNM aqueous phase toxicity using relevant model organisms 

and environmentally relevant water chemistry (Gao et al., 2009, 2006; Wang et al., 2015). 

Therefore, the objective of experimental Chapter 6 was to investigate the relative waterborne 

toxicity of AgNM in two freshwater species, focusing on assessing the effects of water 

hardness and organic matter on AgNM toxicity. To address the two hypotheses 1, high 

hardness water and adding organic matter would decrease AgNM waterborne toxicity to these 

aquatic species. 2. Any toxicity modulation from contrasting water hardness and organic 

matter might differ between species. In addition, the synergistic effects of inorganic and 

organic matter on AgNM toxicity were also investigated in Chapter 7. This chapter 

hypothesised that multifactor organic and inorganic matter exposures would differ from 

single-factor exposure.  

1.4.4 Objective 4. To contribute to the understanding of what modulates AgNM 

environmental exposure 

A few studies have explored the influence of dynamic seasonal hydrology, such as turbulent 

flow, on the bioavailability of waterborne metals; however, a study found during literature 
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searches addressed hydrology's influence on the bioavailability of selenium (Se). In Jepson 

and Anderson's (2006) study, they compared flow relative to quiescent conditions (i.e. a pond 

vs streams), and findings documented a difference in bioaccumulation in insects between 

contrasting lentic (i.e. static system) and lotic (i.e. turbulent system) systems. These 

distinctions were attributed to differences in exposure regimes generated by differences in 

hydro-geochemical processes (Jepson and Anderson, 2006).  

Other studies in the past decade have investigated the suitability of gene expression as a 

biomarker of exposure, for example, metallothionein transcript expression (mt2 - mRNA) 

and metallothionein-like proteins (Gillis et al., 2002; Berthet et al., 2005; Mosleh et al., 2006; 

Choi et al., 2010; Henry et al., 2013; Aerle et al., 2013). In addition, others have also studied 

pollutants' bioavailability and adverse effects within a simulated aquatic system; using 

physiological biomarkers (Brinkmann et al., 2010). A synthesis of these ideas inspired this 

thesis chapter, which was framed around the hypothesis;  “different exposure scenarios of 

static and flow would lead to differences in AgNM body burden in fish larvae”. This was the 

focus of Chapter 8. 

 

 

 

 

 

 

 

 

 

 

 



Chapter 2 General Methods chapter 

78 

 

 

2 Chapter 2 General Methods chapter 
2.1 General introduction to methods 

Plenty of nanoecotoxicology research over the past decades has identified that the 

physicochemical properties of NM relate to their toxicity (Cohen et al., 2012; Nassar et al., 

2020). To make causal links between toxicity and nanomaterials physicochemistry, careful 

characterisation of NM within suspensions is needed. This will need to be done for any study 

addressing nano-ecotoxicological or environmental fate questions (Vance et al., 2015; 

Adams et al., 2020). Such characterisation is needed as a comparative reference point to 

compare studies. This will help define trends in NM behaviour and realise the properties that 

drive the risks of AgNM in aquatic environments. Several analytical techniques have been 

used to define the characteristics of AgNM. However, it is essential to remember that some 

of these techniques are not without limitations. 

Multiple techniques must be applied to get the optimal answer to a NMs fundamental 

characteristic (Gao & Lowry, 2018; Singh, Yadav & Mishra, 2020). Multiple analytical and 

metrological techniques are commercially available and are commonly used within the 

environmental nano-research field (Singh, Yadav & Mishra, 2020; Barhoum et al., 2018). 

Table 2.1 summarises and explains some of the most important analytical and metrological 

techniques used in nanomaterial characterisation. 

Table 2.1 Summary of the most important techniques used in nanoecotoxicology. Adapted 

from Fabrega et al. (2011). 
INSTRUMENT 
AND METHOD 

MEASURED 
PARAMETER 

LIMITATIONS ADVANTAGES 

ELECTRON 
MICROSCOPY 
(EM) 

Size, shape and 
aggregation 

Artefacts due to 
sample preparation 

High resolution 
3D images 

ATOMIC FORCE 
MICROSCOPY 
(AFM) 

Size, shape and 
aggregation 

Poor lateral accuracy High resolution 

ENERGY-
DISPERSIVE X-
RAY 
SPECTROSCOPY 
(EDX, EDS) 

Semi-quantitative 
elemental composition 
for single particles 

Semi-quantitative 
information 

Accurate and fast. Single-
particle elemental 
information 

ELECTRON 
ENERGY LOSS 
SPECTROSCOPY 
(EELS) 

Quantitative element 
information 

Can’t handle thick 
specimens 

Ability to "fingerprint" 
different forms of the same 
element 

INDUCTIVELY 
COUPLED 

Very sensitive element 
composition in liquids 

Limited NP 
information. 

Multiple metal analyses. 
Highly sensitive and high 
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PLASMA MASS 
SPECTROMETRY 
(ICP-MS) 

throughput. Isotopes 
analysis. 

INDUCTIVELY 
COUPLED 
PLASMA - 
OPTICAL 
EMISSION 
SPECTROMETRY 
(ICP-OES) 

Total element 
composition in bulk 

Limited NP 
information. 
Medium-Low 
sensitivity 

Multiple metal analyses. 
Possibility of hyphenation 

DYNAMIC LIGHT 
SCATTERING 
(DLS) 

Hydrodynamics 
diameter 

Size biased towards 
large particles 

Fast. Indicates the 
aggregation state. 

NANOMATERIAL 
TRACKING 
ANALYSIS (NTA) 

Particle size 
distribution 

No information high-resolution particle 
size, concentration and aggr
egation measurements. 
Able to analyse polydisperse 
samples 

ZETA POTENTIAL Particle charge Bios towards larger  
particles 

Indicates information about 
the stability of the particles 

DISK CENTRIFUGE 
(CPS-DS) 

Size distribution High concentration of 
samples 

High resolution of size 
distribution 

BRUNAUER-
EMMETT-TELLER 
(BET) 

Specific surfaces 
are/porosity 

Artefacts due to 
sample preparation 

High precision. Direct 
measure of surface area. 

X-RAY 
DIFFRACTION 
ANALYSIS (XRD) 

Cristal structure and 
crystallite size 

Powdered samples. 
Artefacts due to 
sample preparation 

Detailed Crystallographic 
information 

 

2.1.1 Differential centrifugal sedimentation 

Differential centrifugal sedimentation (DCS), also known as centrifugal photo-

sedimentation, is a benchtop technique frequently used to measure high-resolution size 

distributions of particles in liquid (Minelli et al., 2018). With an impressive size detection 

limit of 2 nm, DCS can also handle poly-dispersed distributions. Simplistically, DCS 

measures the time it takes for a particle to sediment through a fluid when exposed to a 

centrifugal force. The time a particle travels through a fluid under centrifugal force depends 

on its size and density. If the size of a suspended particle is known from another 

characterisation technique, DCS can also measure a particle's density.  

Theoretically, in a viscous fluid, the rate of sedimentation of a suspended particle (if the 

particle is denser than the fluid) is primarily defined as a function of the following factors: 

• Gravitational force 

• Difference in density 

• Fluid viscosity 

• Particle size and shape 
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High G-Force makes sedimentation of small particles much faster than Brownian diffusion, 

even for very small particles. When a centrifuge is used, Stoke's law must be modified to 

account for the variation in G-Force with distance from the centre of rotation: 

       (Eq.2.1) 

Where: 

• D is the minimum diameter of the particles expected to sediment (m) 

• η (or μ) is the dynamic fluid viscosity (Pa.s) 

• Rf is the final radius of rotation (m) 

• Ri is the initial radius of rotation (m) 

• ρp is particle volumetric mass density (kg/m3) 

• ρf is the fluid volumetric mass density (kg/m3) 

• ω is the angular velocity (radian/s) 

• t is the time required to sediment from Ri to Rf (s) 

 

The main principle behind DCS is the separation of particles according to their size through 

centrifugal sedimentation, which is achieved by injecting a sample into a rotating disc 

containing a solvent density gradient. Due to a g-force from spinning (24000 rpm), the 

particles move toward the disc's outer edge depending on their size. As the particles move, 

they continually pass in front of a detector, and the signal is converted to a size distribution 

(Patel & Pathak, 2021).  

DCS is a popular method applied in biochemistry and cell biology for separating organelles 

and subcellular particles. The method, DCS, is fundamentally based on sedimentation rates. 

Although often associated with biological applications, DCS is also used to characterise non-

biological suspended particles such as colloidal Nanos (Ramirez-Garcia et al., 2011; 

Egle Kelpsiene et al., 2022).  Relative to other particle sizing methods, such as DLS or NTA, 

DCS is highly accurate and versatile and has an extended dynamic range and rapid detector 

response (<0.1sec); DCS can be used for a wide range of particle sizing, >0.002-50µm. DCS 

centrifuges operate at high speeds (24, 000RPM), enabling the analysis of very small particles 

up to 3 times faster than other approaches such as DLS. In addition, DCS allows analysis of 

a wide range of particle sizes, which is impractical using other analytical methods. The DCS 

method identifies non agglomerated particles and those agglomerated due to its high 

resolution (Mahl et al., 2011). However, DCS does have limitations; for example, the low-

density nano plastic particles with a diameter below 50 nm cannot be measured using the 

DCS method. This is because the solvents used, as a density gradient, have a higher density 
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than most nano plastics. This means that most nano plastics smaller than 50nm are buoyant 

and therefore float and cannot be separated using DCS (Minelli et al., 2018). 

2.1.2 Dynamic light scattering  

The particle size distribution of colloids in suspension is also frequently measured by 

dynamic light scattering techniques (DLS)(Römer et al., 2011). The DLS method provides 

fast particle size detection in suspension, and it is based on Brownian motion. A DLS system, 

such Zetasizer, measures particle size by measuring fluctuations in a laser-scattered light 

intensity as a function of time, which is then correlated to the hydrodynamic particle diameter 

via a correlation function and the Stokes-Einstein equation (Maguire et al., 2018). As such, 

DLS instruments are frequently used for measuring NM primary particle size and NM water 

column aggregation state when in suspension. DLS measures nanomaterials' hydrodynamic 

diameter (HD), which is produced by detecting scattered light as particles diffuse past a laser 

beam in a liquid (Farkas & Kramar, 2021).  

Specifically, particles in solution undergo Brownian motion due to random collisions 

between solvent molecules and the NM; light scattering fluctuates as a function of time 

because of particle motion. In DLS, the autocorrelation of temporal fluctuation of light 

intensity is evaluated to determine the intensity weighted average diffusion coefficient 

(m2/s), D, of the particles. The average hydrodynamic diameter (HD) is calculated from the 

diffusion coefficient (within the Zetasizer software) using the Stokes-Einstein equation: dp = 

kT/3πµD, where k is the Boltzmann constant (J K-1), T is the absolute temperature (K), and 

µ is the viscosity of the medium (kg m-1 s-1). The dp is the sphere's diameter with the same 

diffusion coefficient as the particles (Jiang, Oberdörster & Biswas, 2008). The HD of a 

colloidal particle is defined as "the size of a hypothetical hard sphere that diffuses in the same 

fashion as that of the particle being measured (Malvern Instruments, Zetasizer user's manual, 

2003), the particles/aggregates in suspension are not spherical. Hence, the diameter 

calculated from the diffusional characteristics will indicate the dynamic hydrated/solvated 

particle.  

Notably, there are issues with how accurately DLS measures colloidal particle size 

distributions. For example, the DLS method is heavily weighted toward large particles 

(Maguire et al., 2018). This is due to large particles masking the light scattering from the 

smallest particles behind it, hence biasing the data output (Farkas & Kramar, 2021). When 

using DLS, such issues should be considered as the method is not optimal for measuring the 

size distribution of poly-dispersed NM, and such factors can lead to the misinterpretation of 
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DLS data. However, despite these identified issues, DLS is one of the most common methods 

used to characterise nanomaterials within the aqueous phase in the nanoecotoxicology 

research field (Metreveli, Philippe & Schaumann, 2015; Wang et al., 2015; Radnik et al., 

2022).  To prevent misinterpretation of the DLS data, guides have been published to 

standardise the measurement protocols and how to avoid the pitfalls when interpreting DLS 

data (Radnik et al., 2022; Singh & Singh, 2021). 

2.1.3 Zeta potential 

Zeta potential measurements are an essential characteristic of NM (Bhattacharjee, 2016). 

Zeta potential can provide invaluable information about NM fate, behaviour, and toxicity 

within environmental and biological systems (Lowry et al., 2016). Regulatory bodies and 

scientists have recommended Zeta potential as an essential nanomaterial characteristic for 

scientific and regulatory purposes (Gao & Lowry, 2018). Zeta potential is generated; 

whenever a nanomaterial is suspended in liquids, dissociation of ionic groups may occur 

and/or adsorption of a solutions ions into the particle's surface. The total charge on the 

particle surface will affect its surrounding, attracting counter-ions (ions of the opposite 

charge) onto the surface, generating a double layer (ions within this double layer will move 

with the particle). The concentration of counter-ions decreases as the distance from the 

double layer increases; thus, an electrical potential is generated. The value of this electrical 

potential measured at the surface of the double layer is called zeta potential (shown in Figure 

2.1). At a certain pH, the particle's surface charge is neutralized by the ions in the solution, 

resulting in no net charge on the particle. This is known as the point of zero charge (PZC), 

i.e. the pH at which the zeta potential of a particle is zero . The PZC is an important parameter 

in understanding the behaviour of colloidal particles in aqueous solutions, as it affects their 

stability, aggregation, and interactions with other particles. Above or below the PZC, the 

particles can become either positively or negatively charged, influencing their behaviour in 

the aqueous phase.  
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Figure 2.1 Graphic description of the Zeta potential concept (Malvern Instruments Zetasizer 

user's manual, 2003). 

 

The suspended zeta potential is measured using a Zetasizer by applying an electric field 

across an NM dispersion (1ml @ 22°C); the charged particle in the dispersion then moves 

toward the electrode of opposite polarity (electrophoresis). A laser beam is simultaneously 

passed through the sample undergoing electrophoresis, and the scattered light from the 

moving particles is frequency shifted. The electrophoretic mobility (m2 V-1 s-1), U, is then 

determined by measuring the frequency shift, given the laser wavelength and the scattering 

angle. Zeta potential (mV),  ζ is then calculated from the electrophoretic mobility using the 

Smoluchowski equation: ζ  = µU/ ε, where ε is the electric permittivity (of the medium; the 

ability of a substance to store electrical energy in an electric field (C2 N-1 m-2; where C is the 

defined value for the speed of light in a classical vacuum, N= vacuum permeability)) (Jiang, 

Oberdörster & Biswas, 2008).  

2.1.4 Transmission electron microscopy 

The transmission electron microscope (TEM) is the most potent instrument we have for the 

structural and chemical characterisation of the nanoscale (Anjum, 2016). Due to its 

sophistication; TEM has found widespread application across many scientific disciplines 

(Ellis et al., 2016; Luo et al., 2018; Hashemian & Shahedi, 2013; Zeumer et al., 2020). This 

is due to its ability to provide information over a range of length scales down to the level of 
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atomic dimensions. To achieve an electron micrograph, electrons are passed through an 

electromagnetic field, which focuses the beam, enabling it to pass through an ultra-thin 

sample to produce an image. In cases where samples are less dense, more electrons may pass 

through, generating a brighter image. Denser samples allow fewer electrons to pass through, 

developing a darker image. TEM delivers high-resolution images, with down to 0.2 nm in x 

and Y. TEM is commonly the first tool used to determine NM primary particle size. TEM is 

also used to generate accurate size distributions due to its ability to generate countless images 

using random sampling quickly and easily, which can be easily analysed using image 

thresholding in open-source software such as ImageJ (Neogy et al., 2020). However, there 

are limitations to using TEM for NM analysis, which is commonly faced when characterising 

polydisperse samples, whereby NM agglomeration/aggregation or sample fractionation may 

occur during sample preparation, leading to a misinterpretation of size and size distribution 

(Smith, 2015). Other disadvantages involve the need for detailed and often complicated 

sample preparation methods, which are labour-intensive and costly. Beamtime and access to 

core facilities and expertise can also lead to delays and add to TEM costs. 

2.1.5 Energy dispersive x-ray spectroscopy (EDX) 

Energy dispersive x-ray spectroscopy (EDS or EDX) is an analytical capability coupled with 

electron microscopy techniques for characterising NM. After electrons, the signal most 

measured in the electron microscope is that of characteristic x-rays (Doolette et al., 2013). 

When exposed to an electron beam during TEM analysis, samples emit characteristic x-rays 

due to the excitation of inner shell electrons (Zhang et al., 2013). By placing x-ray detectors 

such as EDS within TEMs, it is possible to determine the elemental composition of individual 

points within samples or create x-ray maps of materials. Confirming the elemental 

composition of NM is a vital parameter to consider within nontoxicity studies – e.g., to 

confirm the presence of particles and assess any potential contamination. EDS is commonly 

used due to its; ability to detect elements across the periodic table, quick analysis, and spatial 

resolution of < 10 nm. 

2.1.6 Electron energy loss spectroscopy (EELS) 

In electron loss spectroscopy (EELS), a beam of electrons targets a material with a defined 

range of kinetic energies. Some of the electrons will undergo inelastic scattering during this 

process, meaning they lose energy and have the path slightly and randomly deflected (Koh 

et al., 2009). The amount of energy loss is then measured using an electron spectrometer, 

which indicates what caused the energy loss, i.e. different elements and materials of different 
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chemical compositions have different energy loss signatures. Using reference materials and 

with some care and understanding of a range of energy losses, one can determine the types 

of atoms and the proportions of each atom type being struck by an electron beam. EELS is 

frequently used to measure the degree of ageing NM have undergone, such as measuring the 

presence of sulphurised silver and its spatial distribution of environmentally aged NM  

(Schlich et al., 2018). EELS can be a powerful technique. However, precaution needs to be 

taken to make sure beam damage does not cause changes in local geometry, proportions of 

chemical species, and the crystallography of particles. However, with care and modifications 

to the technique, it is possible to minimise the effects of electron beam damage by optimising 

sample preparation and accusation parameters (Jonas et al., 2007). 

2.1.7 Dissolution  

When introduced to the aqueous phase, particles may undergo dissolution to form a 

homogenous mixture (Spurgeon, Lahive & Schultz, 2020). Dissolution is a dynamic process 

dependent upon particle solubility, which is influenced by composition, surface properties, 

size and the media conditions (pH, salinity, temperature) in which particles are suspended. 

The dissolution of NM is a vital parameter to consider when characterising NM as it can 

affect their toxicity and persistence in the environment. Toxicity may arise due to particle 

mediated effects via their dissolved fraction (particularly in cases where NM are composed 

of elements known to have toxic effects, e.g. Ag+, Zn2+, Cu2+), or as a combination of the 

two (van der Zande et al., 2020). 

Although it is possible to measure dissolution directly via ion-selective electrodes (ISE) and 

single-particle inductively coupled plasma-mass spectroscopy (SP ICP-MS), indirect 

techniques require the dissolved fraction to be separated from the particle suspension prior 

to analysis (Khan et al., 2012). Separation is commonly achieved using ultracentrifugation 

(Dong, Valsami-Jones & Kreft, 2016; Patsiou et al., 2019); filtration  (Cornelis et al., 2013); 

dialysis (Al-Bairuty et al., 2016) or a combination of techniques (i.e. centrifugal 

ultrafiltration). Following separation, the dissolved fraction undergoes elemental analysis via 

either atomic absorption spectroscopy (AAS), ICP atomic emission spectroscopy (ICP-AES) 

or ICP-MS. From these techniques, ICP-MS offers the greatest sensitivity (less than 1 part 

per trillion) and a good sample throughput time (2- 3 minutes per sample) and is thus 

commonly employed within NP dissolution studies (Yan, Tang & Wang, 2021). 
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2.1.8 Quantitative polymerase chain reaction (qPCR) 

The polymerase chain reaction (PCR) was developed over 30 years ago and is a method that 

produces enzymatic amplification of DNA (Bustin et al., 2009). The turning point in PCR 

usability happened following the discovery of thermostable polymerase aquatics in 1988 

(Kralik & Ricchi, 2017). After PCR's discovery and development, the method became very 

popular as the availability of thermal cyclers and chemical reagents increased, which resulted 

in the worldwide use of PCR as a molecular tool for the specific amplification of DNA in 

vitro. After the PCR was routinely Incorporated into molecular biology, the method was 

subsequently developed further, where methods for monitoring DNA amplification in real 

time were established. This was achieved by using fluorescence reporters (amplicons), which 

were monitored during a PCRs amplification cycle (Sidstedt, Rådström & Hedman, 2020). 

This modified version of PCR is termed quantitative PCR (qPCR). Another variant of qPCR 

is quantitative reverse transcription PCR (RT-qPCR), which is used when the starting 

material is RNA. In this method, RNA is first transcribed into complementary DNA (cDNA) 

by reverse transcriptase from total RNA or messenger RNA. The cDNA is then used for the 

qPCR reaction. RT-qPCR is used in various applications, such as gene expression analysis, 

pathogen detection, genetic testing and disease research. In more recent studies, RT qPCR 

has been used to study gene expression analysis for the application as a marker of exposure 

to environmental pollutants, such as heavy metals, and even more recently, NM (Chen et al., 

2017; Krishnasamy Sekar et al., 2022; Giri et al., 2022).  

2.1.9 ICP-MS 

Inductively coupled plasma mass spectrometry (ICP-MS) is a form of mass spectrometry that 

uses an inductively coupled plasma to ionise a sample. It atomises the sample and produces 

atomic and small polyatomic ions, which are then detected (Yan, Tang & Wang, 2021). It is 

well-known and used to distinguish metals and several non-metals in liquid samples at very 

low concentrations. It can detect different isotopes of the same element, making it a flexible 

tool in isotopic labelling. Compared to atomic absorption spectroscopy (AAS), ICP-MS has 

greater speed, precision, and sensitivity (Adam Laycock et al., 2022). The primary reasons 

for the growing popularity of ICP-MS can be summarised in a few points:  

• Instrument detection limits are at or below the single part per trillion (ppt) level for much 

of the periodic table  

• Analytical working range is nine orders of magnitude  

• Productivity is unsurpassed by any other technique  
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• Isotopic analysis can be achieved readily 

 

Samples are introduced into an argon plasma as aerosol droplets. The plasma dries the 

aerosol, dissociates the molecules and then removes an electron from the components, 

thereby forming singly-charged ions directed into a mass filtering device known as the mass 

spectrometer (Adam Laycock et al., 2022). Most commercial ICP-MS systems employ a 

quadrupole mass spectrometer which rapidly scans the mass range. At any given time, only 

one mass-to-charge ratio will be allowed to pass through the mass spectrometer from the 

entrance to the exit. Upon exiting the mass spectrometer, ions strike the first dynode of an 

electron multiplier, which serves as a detector. The impact of the ions releases a cascade of 

electrons, which are amplified until they become a measurable pulse. The software compares 

the intensities of the measured pulses to those from standards, which make up the calibration 

curve, to determine the concentration of the element (Adam Laycock et al., 2022). 

2.1.10 Ultrasonic velocity profiling (UVP) 

The velocity profiles were obtained using an ultrasonic velocity profiling (UVP) system 

(Metflow UVP-Duo with 2MHz transducer). Before the transducer switches to receiving 

mode, the transducer device transmits a short emission of ultrasound (US), which travels 

along the measurement axis X (as shown in 2). When the US pulse hits small particles in the 

fluid, part of the US energy scatters on the particle and reflects, with the echo reaching the 

transducer after a specific time delay.  
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Figure 2.2 Graphic representation of the Ultrasonic velocity profiler (UVP) system (from 

Metflow UVP User Manual). 

 

If the scattering particles move with a non-zero velocity component into the acoustic axis X 

of the transducer, a doppler shift of echoed frequency occurs, and the received signal 

frequency becomes 'Doppler shifted'. Using this information, it is possible to calculate both 

the velocity and position of the particles along the measurement axis X. When within the 

water column, there is a substantial number of particles along the X-axis, a velocity profile 

for the component along axis X can be generated (as shown schematically in Figure 2.2).  

 

2.2 Methods & chemicals that were applied across several chapters 

2.2.1 Materials and Chemicals 

Two silver nanomaterials (AgNM) were bought for this body of work. Polyvinylpyrrolidone 

(PVP) coated silver nanomaterials (AgNMPVP) were purchased from Nanostructured and 

Amorphous Materials (Texas, USA). The manufacturer provided particle characterisation, 

describing them as powdered particles with a 99.8 % purity (Ag) and 0.2 % PVP. The 

nominal particle sizes were 30-50 nm, with a surface area of 10 m2 g-1. The particles were 

listed as spherically shaped with an amorphous crystallographic structure. Representative 

AgNM particles were also obtained from the European Joint Research Centre (JRC-NM-300 
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series). These AgNM were supplied as a colloidal Silver-nano dispersion with a nominal 

silver content of 10 w/w% and size distribution of NM <20 nm. The NM-300 sample 

dispersion is an aqueous dispersion of nano-Silver with stabilising agents, consisting of 4% 

w/w% each of Polyoxyethylene Glycerol Trioleate and Polyoxyethylene (20) Sorbitan mono-

Laurat (Tween 20). The NM dispersions were kept in the dark and only exposed to light upon 

use.  

Other chemicals purchased for this research were: (i) Suwannee River humic acid standards, 

purchased from the International Humic Substances Society (IHSS, Atlanta, GA, USA); and 

(ii) calcium chloride dihydrate (CaCl2·2H20); (iii) magnesium sulphate heptahydrate 

(MgSO4·7H2O); (iv) sodium hydrogen carbonate (NaHCO3); (v) potassium chloride (KCl); 

(vi) concentrated nitric acid (HNO3); (vii) ammonia (NH3); (viii) kaolinite clay (Al2O3 · 

2SiO2 · 2H2O), and (viiii) Humic acid, where all purchased from Sigma Aldrich. For the 

current research, Milli-Q® water with a resistivity of 18.2 MΩ·cm and a TOC ≤ 5 ppb was 

obtained using a Milli-Q® Integral ultrapure water system from Merk. Superfine industrial 

grade, high-silica (SiO2) sand (CLS33 grade, nominal grain size 75 - 500 m; D50 = 150 m; 

specific gravity γs = 2.64) was used as non-cohesive sediment in the experiments in Chapter 

5.  

2.2.2 Test water and stock preparations 

The following stocks were made for the experiments within this thesis: 

Stocks of waterborne silver (supplied as AgNO3 ) and commercial AgNM (PVP coated) were 

prepared by weighing specific amounts of powders/crystals into a volumetric flask using an 

analytical scale, which was then dispersed in Milli-Q® (18. MΩ conductivity). For the 

representative nanomaterial stocks, suspension of AgNM-300 was prepared by diluting the 

dispersions in Milli-Q®. The nanomaterial stocks were then bath sonicated for 16 min, with 

an intermediate agitation by hand after 8 min and at the end of the sonication period. For 

current experiments, stock of 300 and 50 mg/L were used. Specifically, for PVP-coated 

AgNM, 15 mg was dispersed in 50 ml of Milli-Q® water; for dissolved, 23.4 mg (AgNO3) 

was dissolved in 50 ml of Milli-Q® water, and for Ag NM-300, 150 mg of suspension was 

diluted into 50 ml to yield 300 mg/l, and a further 50 mg/L stock was prepared by dilution of 

the previous stock. Prior to dosing, AgNMPVP stocks were mixed via a PTFE stirring bar.  The 

remaining stock of NM preparations was stored at 4°C.  Fresh NM stock preparations were 

made for every new experiment and used within 2hrs of preparation. 
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 Suwannee River (SRHA; used in small-scale toxicity experiments) or Sigma humic acid 

(used in the annular flume experiments) 1000 mg/L stocks were prepared by dissolving 50mg 

in a total of 50 ml of Milli-Q® water. Before topping up to a total volume of 50 ml, the pH 

of the stock was titrated to pH 8 using a 1.0M sodium hydroxide solution. The humic acid 

stock solution was then stirred overnight at room temperature and used after 24 hours without 

filtering (considered environmentally relevant). 

The test medium was prepared by adding analytical reagent-grade salts sourced from Sigma 

Aldrich.  Calcium chloride 2-hydrate (CaSO4.2H2O; 5.88 mg) was dissolved first in a 20L 

container of Milli-Q®; the medium was mixed using a stirring bar; following this, 

magnesium sulphate heptahydrate (MgSO4; 2.465 mg) and potassium chloride (KCl; 0.115 

mg) was dissolved, sodium bicarbonate (NaHCO3; 1.295 mg), 15-20 minutes intervals were 

left between the addition of each salt.  The medium vessel was continuously aerated. The 

new medium was made up every 14 days. The pH of the test medium was adjusted to pH 7.3-

5; adjustments were made during the preparation of the test concentration in small volumes, 

and pH was adjusted either with NaOH or HCl (0.01M). The medium vessel was 

continuously aerated. If not used, a new medium was made up every 14 days.  

Test concentrations and abiotic conditions were prepared by pipetting the correct amount of 

NM, humic acid, or kaolinite clay stock to the test medium, and variations of the test media 

(hard and soft water) were made by using full strength or diluting the media, e.g. a 10-fold 

dilution.  

2.2.3 Transmission electron Microscopy 

Transmission electron microscopy (TEM) was used to observe the primary particle size and 

morphology of the dispersed and aggerated silver nanomaterials). Samples were prepared for 

TEM measurement by deposition of drops of the nanomaterial suspensions (approx. 80µl) 

onto 200µm mesh Cu TEM-grids, which were coated with a holey carbon film (FENAC 

studies), or onto a 200µm carbon grid (KIT studies). After one hour, the remaining liquid 

was removed by capillary action into a paper towel, and the TEM-grids were washed twice 

by immersion in Milli-Q (18. MΩ conductivity). The TEM grids were then dried within a 

nitrogen gas chamber; grids were then stored in a nitrogen-purged vacuum within a desiccator 

until imaging. Two transmission electron microscopes were used to image the particles a 

JOEL 1200EX TEM at 80keV electron generation (FENAC) and a Titan at 300kV (KIT); 

images were taken between 10-300 kV x magnification. We did not make an effort to 

preserve the aggregates; therefore, the size of those imaged was not necessarily representative 
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of actual structures found in the suspension due to drying artefacts. However, the particle 

morphology should be preserved.  

The obtained images were analysed using Fiji-imageJv1.51n. The scale was set from the 

scale bar. Uneven illumination of the images was adjusted to prevent issues while imaging 

thresholding. Where an area of the image was selected that represented the variability in 

image evenness, then an FFT bandpass filter was applied. The image threshold was set, where 

a dark background and over/ under was selected. The image was then cleaned, where 

unrepresentative parts of the image were erased. The particles were then analysed, where the 

outline option was selected. The size was between 5 and 200nm, and the circularity was set 

to 0.6-1. The nanomaterial diameter was then calculated assuming particles were spherical 

using the area of the particle to define the equivalent spherical diameter (ø) using the 

following equation: 

 ø = 2 x √(A / π)        Eq2.1 

Where A= the circles area, and π = Pi = 3.14159. 

2.2.4 Water sample processing 

During the experimental runs, three water samples were collected at specific sampling times 

(listed in Chapters) over the run duration and treated using the following procedure:  A 5ml 

water sample was collected and stored in the dark in a glass vial for total silver concentration 

analysis. The total silver concentration sample was treated as follows:  

(a) 5 ml of concentrated nitric acid was added to the 5ml sample in the vial, yielding a ~39% 

V/V nitric acid concentration, and acid digested for 48 hrs. 

(b) the sample was then bath sonicated for 1 hour to enhance the acid digestion of the 

particles.  

(c) After sonication, 500 µL of NH3 was added to avoid silver chloride formation and prevent 

excessive sticking during analysis.  

(d) an aliquot of 787 µL was taken and diluted with 15.0 ml. Then a 40-fold dilution factor 

of the original sample was used to recalculate the initial concentrations.  

The total silver concentration samples with clay were treated differently, as follows:  

 

(a) A volume of 5 ml of concentrated nitric acid was added into the sample vial yielding 

a ~40% V/V nitric acid concentration, and let stand for 48 hrs.  

 

(b) The samples were then bath sonicated for 1 hour to enhance the acid digestion of the 

particles.  
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(c) After sonication, 500 µL of NH3 was added to avoid silver chloride formation, and an 

aliquot of 5 ml was taken and diluted to 15.0 ml into a centrifuge tube.  

 

(d) Samples were then centrifuged at 17000 RCF (x g) at 4 °C for 1 h (A Beckman 

Coulter Avanti J centrifuge and a JA-25.15 fixed angle rotor were used) eliminate clay 

particles which may interfere with the future ICP-MS analysis.  

 

(e) Then, an aliquot of 2,362 uL was taken and diluted to 15.0 ml. A 40-fold dilution 

factor to the ICP-MS data was applied.  

 

 

For measuring the dissolved fraction, A 12ml sample was collected in a 15ml polycarbonate 

ultracentrifuge tube and centrifuged at 62,800 RCF (x g) at 4°C for 1 h. (A Beckman Coulter 

Avanti J centrifuge and a JA-25.15 fixed angle rotor were used) (Ma et al., 2012). After 

centrifugation, 5 ml was taken from the supernatant (without disturbing the pellet) and stored 

in the dark in a glass vial for total dissolved silver analysis. The samples were mixed with 5 

ml of 6% nitric acid solution to yield a final 3% nitric acid; the concentration was then 

measured using ICP_MS. A 2-fold multiplication factor was then applied to the measured 

concentration to correct the samples' dilution. 

For physicochemistry analysis, a 1 ml sample was collected in plastic disposable cuvettes 

and then transferred to a Size & Zeta potential Folded capillary cell (DTS1060). Upon 

measurement, size and zeta potential were then measured immediately. 

2.2.5 Physicochemistry characterisation 

Post-sampling the experiment, the hydrodynamic size and zeta potential were measured using 

a Zetasizer Nano ZS (Red badge, model: ZEN3600, Malvern Instruments Ltd. Malvern, UK), 

a dynamic light scattering system (DLS). Operated with a He-Ne laser at a wavelength of 

633 nm, backscattered light was used to measure the hydrodynamic size (diameter) and zeta 

potential. The setup for both measurement methods was as follows:  

(a) An equilibration time of 30 secs was used, with the sample temperature set to 23°C 

and the number of runs per measurement set at 12.  

 

(b) The number of measurements per sample was set to 1, but multiple measurements 

were manually taken (n=2-5).  

 

(c) The particles' hydrodynamic diameter (Z-ave) was measured to estimate the 

agglomeration/aggregation state of the NM with the aqueous phase.  

 

(d) Zeta potential values were also measured as an indication of suspension stability.  
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2.2.6  ICP-MS analysis 

Samples were analysed by ICP-MS using an Agilent 7500ce (with octupole reaction system), 

employing an rf forward power of 1540 W and reflected power of 1W, with argon gas flows 

0.81 L min-1 and 0.19 L min-1 for carrier and makeup flows, respectively. Sample solutions 

were taken up into the Micro mist nebuliser by free aspiration at approximately 1.0 ml min-

1. Skimmer and sample cones were made of nickel. 

The instrument was operated in spectrum acquisition mode, and three replicate runs per 

sample were applied.  The masses analysed for Ag were 107Ag and 109Ag. 103Rh was used 

as an internal standard and added at a concentration of 20 µg/l. Each mass was analysed in 

fully quant mode (three points per unit mass) and analysed in standard 'nogas' mode. Silver 

is a very 'sticky' metal, so an additional base rinse step was added to help with washout 

between samples (a mixture of Ammonia, EDTA, hydrogen peroxide and Triton x-100).  A 

series of standards were prepared using a single element 1000 mg/l Ag (Perkin Elmer Pure) 

diluted with 2% v/v HNO3 to range from 0.025-100 µg/l.  An external reference standard 

SRM1640a (NIST) was diluted 100 and 10-fold to check for the accuracy of the standard 

graph. The technical parameters of the ICP-MS are shown in Table 2.1.  

 

Table 2.1 Adjusted parameters of the ICP-MS for no gas mode 

Parameter Volts (V) 
Extract 1 0 
Extract 2 -149 
Omega Bias-ce -20  
Omega Lens-ce 0  
Cell Entrance  -30  
QP focus 3  
Cell Exit -34  
Quadrupole Parameters 
OctP Bias  -6  
QP Bias -3  

 

2.2.7 Differential centrifugal sedimentation 

A stock suspension of the two selected nanomaterials was made with a concentration of 10 

mg/l. Differential centrifugal sedimentation was performed with a CPS Instruments Disc 

Centrifuge DC 24000 (24 000 rpm). The wavelength of the laser light source was 470 nm. 

Two sucrose solutions (8 wt% and 24wt%) provided a density gradient. The calibration 

standard was a dispersion of poly(vinyl chloride) (PVC) particles in water with a particle size 
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of 371 nm. Calibration was carried out prior to each run. A sample volume of 100 μL was 

used for every run. 

2.2.8 Statistical analysis  

Data sets were observed for normality using a QQ plot, and model residual asymmetry and 

heterogeneity were checked. Data which indicated significant non-normality/heterogeneity 

were box-cox transformed in R. If this improved the data's normality/heterogeneity, the 

transformation was included in the model. A minimum adequate modelling approach was 

used for generalised linear models, and therefore, when significant, an interaction term was 

included in the model. Nonlinear least square models were fitted to the total concentration of 

aqueous phase data to analyse the waterborne nanomaterial's persistence. Categorical linear 

regression models (GLM) were fitted with R. For data that indicated a non-normal residual 

relationship, a nonlinear term was included in the model, i.e. exponential decay or polynomial 

term. In addition, differences in main effects were contrasted using the 'Gmodels' 

(version2.16.2) package, using the fitcontrast argument (Warnes et al. 2015). 

2.3 Methods of system development for testing AgNM fate: Part 1&2 

Flumes offer a viable option for simulating environmental conditions, as it is considered 

impractical to conduct controlled contaminant transport experiments under real-world 

conditions (Hitchman, 2011). Many flume designs to date have been used for producing 

controlled 'environments', for example, a recirculating flume (Packman, et al., 2000; 

Packman, et al., 2004). This investigative setup allows control of surface and subsurface 

conditions and provides a relevant closed system for studying pollutants (Hitchman, 2011, 

Packman et al., 2004). Publications have reported the use of flumes in assessing the fate and 

toxicity of polycyclic aromatic hydrocarbons (PAH) in artificial sediments, where the 

toxicity from the re-suspension of sediments in flood scenarios was assessed (Brinkmann et 

al., 2010). As described in the introduction Chapter 1, the objective of this work was to build 

on methods developed by Velzeboer et al. (2014) and Quik et al. (2010, 2014), to enhance 

the understanding of the influence of low shear flow on AgNM waterborne fate. Velzeboer 

et al. (2014) and Quik et al. (2010, 2014) work studied the settling rates of NMs, and the 

effects natural colloids have on the removal rates of particulate substances from the aqueous 

phase. However, these studies were carried out predominantly within static conditions and in 

relatively small volumes. Some of these studies involved agitation. However, during the 

development of this PhD, questions were raised about previous test systems’ environmental 

relevance, for example, concerning how successfully they replicate natural low shear flow. 
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As such, this was thought to imply the simi-empirical coefficient generated from such 

systems, which modellers are currently using.  In this research, a small-scale recirculating 

flume was proposed to pilot the feasibility of using flow systems for studying the behaviour 

(removal/persistence) of NMs within the water phase and for contrasting quiescent and low 

shear flow scenarios. Such a device was considered relevant for testing ENM behaviour 

within low shear flow scenarios, with the flexibility of extensively testing NMs: 

settling/dispersion behaviour, homo- and hetero-aggregation/agglomeration, dissolution and 

surface modifications, and the influence of water-sediment interface.  It is established that 

the aforementioned NMs characteristics are identified processes involved in NM 

environmental fate (for a comprehensive review, see Fabrega et al., 2011; Klaine et al., 

2008).  

2.3.1 Annular flume test system design & experimental setup (55lts) 

During the development of this research, it was identified that a racetrack flume might offer 

the optimal ability to create realistic simulations for studying AgNM fate and behaviour 

within controlled environmentally relevant scenarios. Due to the cost, and issues arising from 

the waste management of NMs, it is also impractical to study NMs in full-scale flumes; 

therefore, a small-medium scale flume was needed. However, it was considered too risky to 

invest in a medium-scale flume (55-100 ltr system), without conducting small-scale flume 

pilot studies (1-5ltrs systems). As such, although the long-term project objective was to study 

AgNM fate within medium-sized systems, more method development was required. As such, 

a series of method development bench-top AgNM fate and behaviour studies were 

conducted. This was done under static and low shear flow scenarios within a small 

recirculating flume before upscaled annular flume studies were attempted. These different 

experimental configurations were employed to assess if such an approach was suitable for 

studying AgNM waterborne fate and behaviour and to test if there was evidence that 

supported the hypothesis ‘that flow turbulence influences the flocculation and sedimentation 

processes of AgNM’ before investing significant effort into engineering and building a 

scaled-up medium-sized test system. 

Following on from the small-scale pilot studies (report results not included in the thesis), 

Careful consideration of the conditions to be tested and preliminary experiments were 

undertaken, which are not contained within the thesis due to space limitations. However, the 

consideration is summarised as follows:  
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It was identified that the analogous reference silver nanomaterial, which is electro-sterically 

stabilised (AgNM-300), was unsurprisingly more persistent within the water column than the 

tested commercial particle AgNM (amor). Within the pilot study, it was discovered that low 

shear flow conditions had a significant effect on modifying AgNM flocculation and 

sedimentation behaviour in the water column. In order to further validate these results, 

additional experiments were conducted in a scaled-up annular flume system using the more 

persistent AgNM300 particle. This was a higher priority to test due to its potential persistence 

within natural riverine systems. These additional tests were performed to substantiate the 

preliminary findings and test the influence of low-shear flows under more environmentally 

realistic open-channel hydraulic conditions. The experiments were performed in a purpose-

built annular (or racetrack) flume system (see Figure 2.3; Figure 2.4 & 2.3). The flume was 

constructed from polymethyl methacrylate (Perspex) and Polyvinyl chloride (PVC) materials 

for the straight and curved channel sections, respectively (see Figure 6.2). Before 

constructing the flume, samples of both materials were tested for their adsorption of aqueous 

phase AgNM, with the results indicating minimal adsorption to either PVC or Perspex, thus 

demonstrating their suitability for our system. The annular flume consisted of an open 

channel with cross-sectional dimensions of 10cm in width and 20cm in height. This channel 

was designed to hold water volumes between 50 and 100 litres, which are feasible to dose 

with AgNM. The annular flume experiments were conducted within a controlled lab 

environment, with an ambient room temperature of 20±5˚C.  

Turbulent shear flows within the annular flume were generated by a custom-built caterpillar 

paddle (constructed from a Polyurethane-flighted timing belt), powered by a stepper motor 

(Leeson motor M1130140.00, with a Motovario NMRV Worm Gearbox: 10:1 D56B14 9mm 

/ Hollow Output 14mm attached). The flow system was also equipped with a variable voltage 

controller (RS-DC reversing speed controller 750W) to enable the caterpillar paddle speed 

to be increased and decreased as required. A Digital Laser Photo Tachometer (HDE-R07) 

was used to measure the motor driveshaft's RPM to set the paddle speed at the desired rate 

(see section 5.2.7). This enabled enough control to generate regulated and repeatable 

turbulent flow conditions within the annular flume for the experimental study.  

The annular flume setup permitted a parametric study of the key experimental variables, such 

as by varying the flow depth and flow rate. These and other parameters influence the 

turbulent flow conditions generated within the flume channel. To save testing multiple water 
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column flow depths [and, thus, the need to measure water column flow conditions for each 

setup, as others have done (Hitchman, Adam, 2011),  a flow depth was chosen by calculating 

the volume of water that would generate environmentally-relevant turbulent flow conditions 

within the test flume system. As such, 55ltrs (corresponding to a flow depth of 130mm) was 

found to be most suitable, both in terms of (i) the volume of synthetic freshwater required 

and (ii) the range of turbulent flow conditions (i.e. flow velocities) that could be generated, 

under different paddle speeds. Following a series of test runs to determine variable flow 

velocities under different paddle speeds, a baseline flow velocity of 0.12 m/s was selected 

for the annular flume runs. This velocity corresponds to a flow rate of 0.00156 m3 s-1 (1.56 L 

s-1). In contrast, the equivalent Froude number  Fr = 0.106 (Eq. 2.3) and Reynolds number 

Re = 62,400 (Eq. 2.2) correspond to subcritical, turbulent flow conditions, considered 

appropriate for generating environmentally-relevant flow conditions equivalent to relatively 

quiescent (slow-moving) flows within natural river channels. Others have also used similar 

velocities to test the stream-to-stream bed exchange of TiO2 & CeO2 NM and other 

contaminants, as it reflects many European riverine systems (Lv et al., 2018; Kunkel & 

Radke, 2008; Boncagni et al., 2009). Other work also supports that the flow hydraulics 

selected within this study are suitable for testing the water column flocculation and 

sedimentation behaviour of AgNM within riverine systems (Areepitak & Ren, 2011). Another 

critical point for selecting this flow velocity was that it generated shear conditions at the bed 

surface below the threshold level required for the initiation of sediment grain motion (i.e. 

sediment entrainment and transport) from a non-cohesive sediment bed (Boncagni et al., 

2009).  

2.3.2 Annular flume; flow velocity profiles 

Velocity profiles were taken at multiple measurement locations (points P1-P19, Figure 2.3) 

around the racetrack flume to characterise the flow conditions within the annular channel 

comprehensively.  These measurements were initially collected at five different motor paddle 

speeds to understand how the flume performed under different flow conditions. However, a 

motor rpm of 120 was subsequently selected for these experimental studies to provide the 

desired hydraulic flow conditions (see below). The velocity profiles were obtained using an 

ultrasonic velocity profiling (UVP) system (Metflow UVP-Duo with 2MHz transducer). 
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Figure 2.2 Simplified scheme of the annular flow system showing the flow profile locations 

(P1-P19) where UVP measurements were obtained along the racetrack flume.  

2.3.3 Hydraulic parameters 

Natural streams and rivers typically consist of flowing water with a free surface open to the 

atmosphere, referred to as open channel flow. The flow regime within an open channel can 

either be described as uniform or non-uniform, where for uniform flow, the flow area and 

average flow velocity in successive cross-sections remain constant, while for non-uniform 

flows, both the flow area and velocity vary in successive cross-sections. Uniform and non-

uniform flow regimes describe how the longitudinal changes in flow velocity are related to 

changes in channel cross-sectional dimensions (i.e. flow width and depth) with increasing 

streamwise distance along the channel (Hamill, 2001; Chaudry, 2008). When characterising 

open channel flow, it is important to calculate the critical hydraulic parameters of the system 

to determine whether the flow behaviour can be described as being turbulent (Hamill, 2001; 

Chaudry, 2008).  In general, all-natural rivers and streams will be fully turbulent in nature. 

The Reynolds number (Re) defines turbulence for an open channel flow and can be calculated 

as follows:  

  Re = U Rh/v                   (eq.2.2) 

where U is the mean flow velocity (m/s), Rh = A/P is the hydraulic radius of the flow (m) 

[where A = Bh is the cross-sectional flow area (with B being the channel width and h being 

the flow depth) and P = B+2h is the channel wetted perimeter], and  is the kinematic 

viscosity of the water (  1.010-6 m2 s-1 for freshwater at 20C). For Re < ~500, the flow 

conditions will be laminar, while at Re > ~2500, the flow would be expected to be fully 

turbulent. The Reynolds number Re for the base flow conditions in the annular flume was 
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4,320, which is thus >2,500, indicating that fully turbulent flow was present in our annular 

flume system under base-flow conditions.     

Another important non-dimensional parameter for the characterisation of the hydraulics 

regime for open channel flows is the Froude number Fr. This parameter provides an 

indication of the ratio of fluid inertial force to the external gravitational force on the fluid and 

is generally expressed as: 

Fr = 
𝑈

√𝑔ℎ
                   (eq.2.3) 

U is the mean flow velocity (m/s), g is the gravitational acceleration (g = 9.81 m s-2), and h 

is the mean flow depth. When Fr > 1, the flow is described as supercritical, with an example 

being the flow passing down a reservoir spillway (i.e. shallow and fast-flowing). When Fr < 

1, the flow is described as subcritical, with an example being a relatively quiescent lowland 

river flow (i.e. deep and slow-flowing). The Froude number Fr for the baseline flow 

conditions in the annular flume was 0.106, indicating subcritical flow was present and thus 

more environmentally relevant to slow-moving lowland rivers. 

1.2.2 Flume water chemistry and pH selection 

The pH of freshwater streams in the UK and Europe can vary depending on various factors 

such as rainfall, geology, and land use. Generally, freshwater streams in the UK and Europe 

tend to have a slightly acidic pH ranging from around 5 to 8.5 (Hem, 1985; Smith, Davison 

& Hamilton-Taylor, 2002; Ellis et al., 2018b). Local factors like acid rain, anthropogenic 

activities, and rock mineral and soil composition drive variations in water chemistry. 

O.E.C.D. water is used as a model freshwater for scientific studies due to its standardized 

properties and availability for testing (OECD, 2007). This model freshwater has a pH of 7.3-

5, which is close to neutral and falls within the pH range, which represents a significant 

proportion of freshwater streams in the UK and Europe (Jarvie et al., 2008; Gallagher et al., 

2022). Therefore, to refine what was addressed in this work, the focus concentrated on testing 

abiotic factors rather than pH. In addition,  using OECD water as a model freshwater allows 

for consistent and comparable results across different studies and provides a benchmark for 

comparison with other water samples (OECD, 2007). 

In addition, the flume, toxicity and exposure experiments (Chapters 5-8), used soft water, 

which was produced from diluted OECD medium. The rationale for using 10-fold diluted 

O.E.C.D water is that soft water has a low mineral content, making it more susceptible to 

changes in pH, and has less protection from calcium carbonate; both factors can lead to 
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increased metal bioavailability. Therefore, by using this soft water, it is possible to create an 

environment that predisposes freshwater organisms to increased risk, potentially allowing for 

the detection of even low levels of toxicity from AgNM — as such, using soft water to test 

for AgNM exposures could provide a more conservative and realistic assessment of these 

nanoparticles' potential hazards. Using 10-fold diluted O.E.C.D water is also consistent with 

established test methods and can facilitate comparisons with other regulatory lab studies, 

allowing for a more accurate assessment of the potential environmental risks posed by 

AgNMs in freshwater systems. 

2.3.5 System dosing 

The silver nanomaterials stocks and the media were prepared as described in methods 

Chapter 2, section 2.1.2 Nanomaterials and humic acids stock preparation. Any deviation to 

the standard stock preparation, listed in the methods section, was done as follows:  

(i) For experiments in the small-scale test flow system (1.8ltr capacity):  For the PVP 

coated AgNM, 15mg of powder was dispersed in 50 ml of Milli-Q water. The representative 

AgNM-300 stock was prepared by weighing 150mg of suspension, then diluted in 50 ml, 

which yielded a final stock concentration of 300 mg/L. A further 50 mg/L stock was prepared 

when necessary by diluting the previous stock.  

 

(ii) For the annular flow system (55ltrs capacity) experiments, 1100 mg/L nominal 

concentration stocks were prepared by diluting 550.0mg of the supplied Ag NM-300 

dispersion into 50.0 ml in a volumetric flask. 23.4 mg of AgNO3 was dissolved in 50 ml of 

milli Q water for aqueous silver. 

 

(iii) Suwannee River humic acid (SRHA)/stocks (1000 mg/L) were prepared by dissolving 

50mg of material into 50ml of Milli-Q water. The pH was then adjusted to >10 pH, using a 

1.0M sodium hydroxide solution. The SRHA solution was stirred overnight at room 

temperature and used after 24 hours without filtering.  

 

(iv) kaolinite clay suspensions with stock concentrations of 3300 mg/l and 1100 mg/l were 

prepared by dispersing 825 mg and 275 mg of powdered clay, respectively, in 250 ml of 

Milli-Q water volumetric flask.  

 

2.3.6 Sampling and processing procedures for both test systems 

During each experimental run, three water samples were collected at each sampling time over 

the run duration. These samples were then processed following the standard procedures 

outlined in the methods chapter (Chapter 2, section 2.1.4). The water samples were analysed 

for silver concentration (ICP-MS analysis) following the methods described in Chapter 2 
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(section 2.1.6), while characterisation of the physicochemistry was conducted as described 

in Chapter 2 (section 2.15). 

2.3.7 Modelling & Statistical analysis 

Homo-aggregation is expected to be the dominant removal process when relatively high 

concentrations of nanomaterials are present within the water column. Sedimentation is also 

often thought to be rapid for particles that are not electro-sterically stabilised and where these 

particles are strongly influenced by ionic strength (Cumberland & Lead, 2009). In this case, 

the removal of nanomaterials from the water column is often much faster than first-order 

kinetics describes. Within the benchtop pilot studies conducted, two different particle types 

were tested: (i) an AgNM particle coated with PVP (supplied by Nanoamor, USA) and (ii) an 

electro-sterically stabilised AgNM (JRC, NM300) particle. The sedimentation behaviour of 

these two particle types was distinctly different (as identified in Chapter 3). Specifically, it 

was evident that sedimentation was rapid for the AgNM-PVP particles due to their large 

agglomerate/aggregate size in the water column and lack of effective electro-chemical 

stabilisation. This was demonstrated by the zeta-potential measurements and water column 

concentration studies (see Chapter 3).  

In other runs (associated with methods development) with the electro-sterically stabilised 

AgNM300 particles, it was demonstrated that the particle dissolution was low (<50 µg/l, see 

Chapter 2), and the non-settling fraction measured at the end of the experiments was low in 

concentration (<200 µg/l) relative to the concentration at the start of the experiment.  

In addition, for testing the construction materials used in the annular flume for surface 

adsorption of AgNM,  measuring the amount of AgNM adsorbed to test pieces using  AAS. 

Further efforts were made to limit adsorption during the annular test runs by dosing the flume 

with 1mg/L of AgNM and running continuously for up to a week to mitigate this issue. This 

procedure was undertaken twice before the systems were filled with Milli-Q water, left to 

soak overnight, followed by a final rinse with fresh Milli-Q. Following this AgNM "coating 

process" and subsequent flushing procedure, it was concluded that the significant proportion 

of the AgNM removal trends studied within this work could be attributed to AgNM 

flocculation and sedimentation processes rather than sorption effects. In order to validate this 

assumption, an area of sedimented AgNM (8cm2; n=4) was collected from the flume bed, 

from which the total sedimented AgNM fraction was estimated and converted to a water 

column loading (mg). The conjecture was that if all the silver could not be accounted for (by 

adding the water and settled fraction together), it would be apparent that adsorption processes 
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would play a significant part in the removal processes of the water column AgNM. The results 

from this analysis are presented in Appendix D, Table 10.3. 

The behaviour of the electro-sterically stabilised AgNM300 particle was observed to be 

persistent within the water column and thought to be governed by first-order sedimentation 

kinetics, such that the reaction rate was directly proportional to the concentration of one 

reacting substance. As such, the water column removal data of the AgNM300 particles used in 

this study was considered appropriate to be evaluated using an adapted, semi-empirical, first-

order, settling model as others have also done (Quik, 2013). This model can be used to 

estimate the concentration of AgNM within the water column or the sedimentation of 

waterborne nanomaterials as a function of time, as defined below:   

𝐶(𝑡) = 𝐶 + (𝐶0 − 𝐶𝑟𝑒𝑠) ⋅ ⅇ−(
V𝑠,𝑁𝑀

ℎ
+𝑘𝑑𝑖𝑠𝑠)⋅𝑡       (eq.2.4)  

where C0 is the total silver concentration at time t = 0, Cres is the residual or non-settled AgNM 

concentration as t → , as the water column concentration approaches an asymptotic level, 

Vs,NM is the AgNM sedimentation rate in the water column, h is the water depth at which the 

samples were taken (i.e. h = 60 mm), and kdiss is the concentration of the dissolved AgNM 

fraction (deemed negligible due to low dissolution levels within the flow system – see Figure 

3.6, Chapter 3). Models were fitted to the measured concentration data using a nonlinear least 

square method in R's stats (R Development core team, 2017). 

For calculating heteroaggregation rates, the following approach was applied. Primarily, the 

contribution of homoaggregation to a binary colloidal system (nanomaterial+natural; 

AgNM+clay within quiescent conditions) was calculated by fitting a simplified version of 

equation 2.4 to the unary AgNM quiescent system data: 

𝐶(𝑡) = 𝐶0ⅇ
−𝑘

ℎ𝑜𝑚,𝑐𝑖𝑡𝑡         (eq.2.5) 

This simplified formula is valid as the dissolution of AgNM is minimal proportionally (i.e. 1-

3%) to C0, the residual fraction. This assumes that within the unary AgNM system, 

heteroaggregation is negligible. The removal data can then be attributed to homoaggregation 

and sedimentation processes (Velzeboer et al., 2014).  

For estimating heteroaggregation rate constants within low shear turbulent flow, a method 

was also recently described by (Velzeboer et al., 2014; Quik et al., 2014). This method 

calculates hetero-aggregation rate constants based on the Smoluchowski-Stokes equation and 

the adoption of several assumptions validated through simulations with the full 
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Smoluchowski-Stokes equations by (Quik et al., 2014).  The simplified equation applied to 

our measured data is as follows: 

𝐾ℎ𝑒𝑡,𝑐𝑟𝑖𝑡 =
𝑉𝑠,𝑁𝐶(𝑙𝑛

𝐶𝑡
 𝐶0

 +𝐾ℎ𝑜𝑚,𝑐𝑟𝑖𝑡⋅𝑡)

𝐶
𝑁𝐶ℎ(ⅇ(− 

𝑉𝑆,𝑁𝐶
ℎ

⋅𝑡)−1)
      (eq.2.6) 

where Khet,crit (m
3/kg/d) is the apparent aggregation rate for the formation of AgNM-hetero-

aggregates that can settle, Vs,NC (m/d) is the sedimentation rate of the suspended model natural 

colloid (i.e. kaolinite clay in the current study), C0 (kg/m3) and C(t) are the measured 

concentrations of AgNM at the start (t = 0) and at elapsed time t, CNC (kg m3) is the 

concentration of the model natural colloid (clay) at the start of the experiment, and Khom,crit 

(m3/kg/d) is the apparent aggregation rate for the formation of settle-able AgNM homo-

aggregates, obtained by fitting equation 6.7 to the AgNM unary system data. The settling 

velocity of the natural colloid (kaolinite clay) was calculated as follows (e.g. Stokes's Law):   

𝑉𝑠,𝑁𝐶 =
2𝑎2(𝜌𝑝−𝜌𝑤) 𝑔

9𝜇
                (eq.2.7) 

where a is the particle radius (m), ρp is the density of the natural colloid (clay) (kg m-3), ρw is 

the density of the suspending medium (e.g. Milli-Q water) (kg m-3), g is the gravitational 

acceleration (m s-2),  µ is the dynamic viscosity of the medium (kg m-1 s-1).  

In addition to fitting sedimentation and hetero-aggregation models to the measured data, 

further analyses contrasting the differences in trends between quiescent and turbulent flow 

were conducted. Categorical linear regression models were fitted to the data using R (R 

Development Core Team, 2017). Data analysis was conducted using the following process. 

Data sets were primarily observed for normality using a QQ plot, where the residual 

asymmetry and heterogeneity were checked. Data that indicated significant non-normality or 

heterogeneity were box cox transformed using R (R Development Core Team, 2017). If this 

improved the normality or heterogeneity of the data, the transformation was included in the 

model. For data indicating a non-normal residual relationship, a nonlinear term was included 

in the model, either an exponential decay or polynomial term. For the small recirculating test 

system (1.8ltrs), the aqueous silver treatment was used as a baseline for the categorical model. 

For the annular flume experiment (55lts system), the model's static silver nanomaterial 

condition was used as the baseline. Permutations of the main effects were contrasted using 

the 'Gmodels' (version2.16.2) package, using the fitcontrast argument (Warnes et al., 2015), 

and by varying the categorical baseline of the model.  
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Figure 2.3 Schematic diagram of the annular (racetrack) flume, detailing the main 

dimensions, construction materials, and paddle system design. 
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Figure 2.4 Images of the Annular flow system (55ltr) in situ, Image Left:  The flow generated by a rotating caterpillar paddle. 

Right top: The flow system filled with water and running during an experiment. Right bottom:  experimental setup with a sand 

layer at channel bottom.
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3 Chapter 3. Aqueous phase characterisation of AgNM; effects of general water 

hardness and dissolved organic matter on physicochemistry and behaviour 

3.1 Introduction 

Recent research efforts have focussed on studying the fate and behaviour of AgNM in quiescent 

(static) freshwater systems (Shevlin, O'Brien & Cummins, 2018).  Nanomaterials' aqueous 

phase behaviour is governed by Brownian motion and colloidal physics (aggregation/dispersion 

kinetics), namely Derjaguin, Landau, Verwey, and Overbeek's theory (DLVO), which is 

concerned with the explanation of the stability of colloids in a suspension (Adamczyk & 

Weroński, 1999).  In studies, efforts have focussed explicitly on assessing the persistence, 

aggregation and floc evolution, and the dissolution mechanics of NM within the water column 

and different environmental model systems composed of varying water chemistries and natural 

colloids (Fabrega et al., 2011; Chinnapongse, MacCuspie & Hackley, 2011; Quik et al., 2011; 

Velzeboer et al., 2014; Ellis et al., 2018a). In addition to this, research has also focussed on 

scenarios that may stabilise or mobilise nanomaterials. For example, organic and inorganic 

matters influence on the stabilisation and destabilisation of colloidal systems (Liu et al., 2014; 

Zhou, Abdel-Fattah & Keller, 2012; Furman, Usenko & Lau, 2013; Van Koetsem et al., 2018).  

A few studies have also addressed the effects of ionic strength, such as the influence of 

monovalent and divalent electrolytes on the aggregation behaviour of aqueous phase 

nanomaterials (Baalousha et al., 2013; Huynh & Chen, 2011). 

3.1.1 Effects of ionic strength on AgNM water column physicochemistry 

The level of control that salts (electrolytes) have on the dispersion state (physicochemistry) of 

waterborne AgNM relates to the Derjaguin-Landau-Verwey-Overbeek (DLVO) theory, which 

describes NM water column flocculation state within aquatic systems (Derjaguin, Churaev & 

Muller, 1987). Aggregation of colloidal particles happens when physical processes bring 

particles into contact, and the short-range thermodynamic interactions permit particle 

attachment to happen (Hotze, Phenrat & Lowry, 2010). According to the DLVO theory of 

aggregation, the sum of the attractive and repulsive forces determines successful particle-

particle (i.e. NM-NM) attachment (Derjaguin, Churaev & Muller, 1987; Hotze, Phenrat & 

Lowry, 2010). The theory states that only two forces largely determine the interactions between 

particles, which are: van der Waals attractive forces (vdW) and the net charge of a particle's 

electrical double layer (EDL), which surrounds waterborne particles and is comprised of 

electrolytes (mono&di-valent) (Stumm & Morgan, 1996). The EDL's net charge reflects the 
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surface properties (particulate) that it surrounds and the electrolytes it comprises, which is 

dependent on what the medium contains.  

Ionic strength is a ratio of the number of ions present within a medium and regulates the length 

of the diffuse layer (ions that radiate out from a particle). The effect of ionic strength on the 

diffuse layer dictates that as the ionic strength increases, the diffuse layer is suppressed 

(becomes smaller), i.e. the diffuse layer (aka-Debye length) has an inverse relationship with 

electrolyte concentration (Boström, Williams & Ninham, 2001). Particles with a compressed 

EDL are more likely to attach and thus flocculate as a function of time and then subsequently 

sediment. It is also worth mentioning that pH influences nano-particles charge, such that 

titrating a solvents pH can also regulate the charge of a nano-particle via its influence over a 

particle's surface-functional groups, where ionising groups cycle through their conjugate forms 

on the surface of a particle, which in turn, alters the properties of the electrical double layer 

(Elzey & Grassian, 2009). Hence a particle's charge can modulate from negative to zero charge 

(known as point of zero charge (PZC)) to positive, as the pH of a medium is titrated. However, 

the influence of pH on AgNM aqueous phase behaviour is not the focus of the research being 

addressed here. The point is that typically, NM readily agglomerate or aggregate, via the effect 

of Ostwald ripening (flocculation) in the aqueous phase unless they are sterically stabilised via 

a capping agent (PVP) or sorption of organic substances, which prevents the particle from 

getting close enough to form attachments, and thus prevent flocculation (Bae et al., 2012; 

Osborne et al., 2012). 

The environmental impacts of AgNM are considered to be dependent on their mobility, 

aggregation behaviour and residence time within compartments of freshwater ecosystems 

(Huynh & Chen, 2011).  The influence of water chemistry has been shown to modulate the 

behaviour of nanomaterials within the aqueous phase. The ionic strength of water and the 

species of electrolytes within water (monovalent and divalent ions) have varying control on floc 

evolution processes (formation of flocculates), which has implications for the behaviour of a 

colloidal system over a time course, i.e., such as how persistent a floc is within the water 

column. Thus, divalent cations can play a critical role in the expected fate, transport, and 

toxicity of AgNM in aquatic environments.  The concentrations of Mg2 + and Ca2 + found in 

surface waters vary widely from 0.2–0.9 mM and 0.4–1.7 mM, respectively, with greater 

concentrations of up to 10 mM present in groundwaters and wastewater-contaminated surface 

waters (Anderson, Semprini & Radniecki, 2014).  Calcium can increase flocculation via Ca2+ 

bridging, thus improving particle-particle attachments (Hotze, Phenrat & Lowry, 2010). Work 
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by Li, Lenhart & Walker (2010) investigated the influence of solution chemistry on the 

aggregation behaviour of unmodified AgNM. These authors obtained these particles' critical 

coagulation concentration (CCC) using time-resolved dynamic light scattering (DLS) for a 

range of electrolytes. The CCC is a necessary coefficient, as this fate descriptor can indicate 

which water types AgNM are likely to persist or sediment within, which is useful when 

producing accurate models that address the fate of AgNM. Overall, their findings indicated that 

unmodified AgNM aggregation is greatly influenced by ionic strength, most likely by 

influencing the AgNM colloidal stabilisation system. Research by El Badawy et al. (2010) 

established that Ca2+ (at 10mM concentration), which is primarily responsible for water 

hardness, influences the aggregation kinetics and stability of both uncoated and coated (citrate, 

polyvinylpyrrolidone &  polyethyleneimine- among others) AgNM. Furthering this Semprini & 

Radniecki's (2014) work established that Mg2+, the other major cation responsible for water 

hardness, also strongly influenced the aggregation state of aqueous phase AgNM. 

3.1.2 Effects of organic matter on AgNM physicochemistry 

Natural organic materials (NOM) are ubiquitous in almost all aquatic ecosystems and therefore 

are likely to have a crucial influence on the waterborne fate of AgNM within most aquatic 

systems (Philippe & Schaumann, 2014). NOM is of vital interest due to its ability to influence 

the fate of AgNM via several mechanisms, namely sorption to the surfaces of the nanomaterials, 

thus modifying their surface charges and influencing their water column floc state such as via 

the formation of micro-bridges between the flocculates. Such sorption's interactions of AgNM-

NOM, driven by chemistry interactions, such as electrostatic, hydrophobic and hydrogen 

bonding, alter the stability of the waterborne AgNM, often via steric hindrance (Tipping & 

Higgins, 1982; Diegoli et al., 2008; Römer et al., 2011; Baalousha et al., 2008). The layers 

formed by NOM cause the particles to become negative in charge (due to the abundance of 

negatively charged functional groups within NOM), often driving the particles to display 

convergent properties, irrespective of their starting charge (Neihof & Loeb, 1972; Klaine et al., 

2008; Baalousha et al., 2013).  Such influences on the behaviour of aqueous phase AgNM will 

also alter their waterborne toxicity. The exact composition and concentration of NOM within a 

freshwater system are variable between different regions, and the concentrations typically range 

from 0.1-20 mg/L within surface water, which depends on the biogeochemical conditions and 

climate (Nebbioso & Piccolo, 2013; Philippe & Schaumann, 2014; Janknecht et al., 2009). 

These substances are mainly comprised of fulvic acid (soluble in water at all pH), humic acid 
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(Ha) (soluble in water at all pHs except strong acidic conditions), and hummin (insoluble in 

water at all pH) (Manoharan, Ravindran & Anjali, 2014).  

The influence of humic substances (or humic acid-Ha) is of vital interest as this fraction persists 

within all water types, and the characteristics of the substance, such as the presence of numerous 

carboxylic and phenolic groups, have been reported to influence AgNM fate, behaviour and 

toxicity (Janknecht et al., 2009; Pokhrel, Dubey & Scheuerman, 2013). The situation from the 

literature indicates that Ha influences and interacts with waterborne AgNM and its counterparts 

(i.e., dissolved silver) via several mechanisms. These include acting as an 'ion sink’, i.e., cation 

exchange of AgNM concomitant dissolved fraction, thus reducing the amount of bioavailable 

silver or influencing a colloidal system's stability or flocculation state. Specifically, Ha can act 

as an 'ion sink' of AgNM concomitant dissolved fraction via interactions of the dissolved ions 

(Ag+) with the diffuse double layer that surrounds the humic substances themselves, where it 

is thought that metal ions (Ag+) can reside (Kungolos et al., 2006). Another way that Ha is 

thought to modulate AgNM concomitant dissolved fraction is by modifying the particle surface 

reactivity. Through acting on the sites on the particle prone to oxidation or via the dissolved 

fraction forming redox reactions with Ha functional groups, such as phenolic –OH, ketones, 

enolic –OH and thiol groups (Wang et al., 2016). Ha, can also influence the stability or 

flocculation of colloidal systems, leading to effects such as increasing the stability of a colloidal 

system, decreasing the aggregation of nanomaterials, or modifying the particles' surface charge 

and therefore influencing their steric stabilisation system of the particles (Philippe & 

Schaumann, 2014; Furman, Usenko & Lau, 2013; Wang et al., 2016).  

3.1.3 Aims and objectives 

The chemistry of water, such as the hardness, ionic strength, and presence of natural colloids 

(inorganic and organic), is thought to play an essential role in modulating the behaviour of AgNM. 

This influence is thought to regulate waterborne AgNM environmental fate, transport, and water 

column residence time. Many studies have focused on the influence of isolated monovalent and 

divalent cations and carbonate hardness on AgNM stability and behaviour as a function of 

concentration. However, fewer studies have addressed the effects of general water hardness 

(combined influence of magnesium and calcium) and dissolved organic matter as a function of time, 

which is more relevant in toxicity tests. As such little is understood about the behaviour of AgNM 

over a time of 96 hrs, the time frame frequently used with regulatory toxicity tests. The fate and 

behaviour of AgNM as a function of time are critical in toxicity studies, as the aqueous AgNM 

behaviour likely impacts their interaction with organisms and further modulates their 
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bioavailability. The likelihood of aqueous phase (i.e. water column) persistence of NM tends to be 

greater for functionalised/stabilised particles (Huynh & Chen, 2011; Thio et al., 2012; Sharma et 

al., 2014), and few studies have addressed their behaviour as a function of time, and therefore this 

issue needs to be further elucidated. Hence, the work described in this chapter evaluated the 

behaviour of two different types of sterically stabilised AgNM: Polyvinylpyrrolidone (PVP) and a 

non-ionic polymer, polyoxyethylene (20) sorbitan mono-laurat and polyoxyethylene glycerol 

trioleate, were tested within quiescent aquatic conditions, as a function of time (96hrs), and the level 

of control environmental factors had on the water column behaviour of AgNM was investigated. 

Such stabilised particles are postulated to show a greater resistivity to the influence of ionic strength, 

pH and aggregation and therefore show more remarkable persistence within the aqueous phase (El 

Badawy et al., 2010; Chappell et al., 2011; Thio et al., 2012).   Specifically, this chapter is divided 

into three sections that address three different aims. The first was focused on characterising the 

selected particles' primary size and characteristics within the aqueous phase. The second aim was 

to investigate the effects of soft and hard water on AgNM waterborne behaviour and 

physicochemistry as a function of time. The third aim focused on investigating the effects of model 

Ha (Suwannee River humic acid) on AgNM waterborne behaviour and physicochemistry. 

Specifically, the aims of this chapter were as follows: 

➢ To assess if AgNMPVP coated and AgNM300 differed in their primary particle 

characteristics. 

 

➢ To assess if and how AgNMPVP coated and AgNM300 differed in their stability and 

physicochemical characteristics in simulated freshwater environments as a function of time. 

 

➢ To assess the effects of humic acid and contrasting general water hardness on the 

particles' stability and physicochemical characteristics. 

 

3.1.4 Hypotheses 

H1.  Ag NM300 particles will be more persistent in the water column than AgNMPVP. 

 

H2.  AgNM will be less persistent in higher ionic strength water when compared with lower 

ionic strength water.  

 

H3.  The addition of humic acid will stabilise particles and increase AgNM dissolution over 

time.  

 

  



Chapter 3. Aqueous phase characterisation of AgNM; effects of general water hardness and 

dissolved organic matter on physicochemistry and behaviour 

111 

 

 

3.2 Methods 

3.2.1 Nanomaterials and chemicals 

For a description of the materials and chemicals used within this chapter, see Methods chapter, 

section 2.1.1 Materials and Chemicals. 

3.2.2 Nanomaterials and humic acids stock preparation 

The silver nanomaterials stocks and the media were prepared as described in the Methods 

chapter, section 2.2.1 Nanomaterials and humic acids stock preparation. 

3.2.3 AgNM water column behavior and Physico-chemistry experiments 

A series of experiments were conducted to study the primary particle size, morphology, aqueous 

phase behaviour, and physicochemistry of the selected AgNMPVP&300 particles. The primary 

particle size and morphology were examined by making a working solution of 20 mg/L of 

aqueous AgNM, dispersed in ISO hard water. Following sonication, the sample was prepared 

as mentioned in Chapter 2, section 2.1.2. The AgNM waterborne fate and behavioural studies 

were conducted as described in sections 3.2.6&3.2.7 below.  

3.2.4 Differential centrifugal sedimentation 

Differential centrifugal sedimentation was conducted to characterise the AgNM particle size; 

for details, see Methods chapter, section 2.2.3 Differential centrifugal sedimentation. 

3.2.5 Transmission electron Microscopy 

For quantifying AgNM primary particle size and assessing the state of the particles in the water 

column, transmission microscopy (TEM) was used, alongside spectroscopy methods, as 

described in the Methods chapter, section 2.1.2 Transmission electron Microscopy. 

2.1.1 Ag-PVP NPs behaviour in contrasting ionic strength conditions 

Experiments were performed in 600 mL Fisher brand beakers (90mm in diameter and 120mm 

in height) in static conditions. The beakers were dosed with 5 mg/L of either of the two selected 

AgNM in 300 mL of ISO water. Two contrasting conditions were set up within full strength 

ISO hard water (CaCO3 250 mg/l) and low ionic ISO media (CaCO3 25 mg/l) for this 

experiment. All suspensions were then stirred by hand (with a borosilicate glass stirrer), and 

then suspensions were left to settle under quiescent settling conditions.  Samples for total silver 

concentration (TSC), dissolved silver concentration (DSC) and physiochemistry analysis were 

collected with a pipette from precisely the same height, 3 cm below the beaker surface (Quik et 

al., 2010), at the following time points: 0, 2, 4, 6, 8, 16, 24, 48, and 96 hrs, which were then 
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analysed immediately. All samples were treated as described in sections 2.1.2 & 2.1.4 & 2.1.5 

in Methods Chapter 2. 

3.2.6 Ag NM behaviour in the presence of humic acids 

Experiments were performed in 600 mL Fisher brand beakers (90mm in diameter and 120mm 

in height). Treatments were dosed with 5 mg/L of either selected AgNM in synthetic hard water 

(CaCO3 250 mg/l, ISO medium), with 10 or 30 mg/L of humic acid (SRHA) as the respective 

control. Samples were collected with a pipette from precisely the same height, 3 cm below the 

beaker surface (Quik et al., 2010), for TSC, DSC and physiochemistry analysis,  at the 

following time points: 0, 2, 4, 6, 8, 16, 24, 48, and 96 hrs, which were analysed immediately.  

All samples were then treated as described in sections 2.1.2 & 2.1.4 & 2.1.5 in the Methods 

Chapter 2. 

3.2.7 Statistical analysis 

For a detailed description of the statical approaches applied, See the Methods chapter, section 

2.2.4.  

 

3.3 Results 

3.3.1 Primary particle size and aqueous phase aggregate state within ISO media (hard water) 

The primary particle size of the AgNMPVP particle was calculated to be 25±10nm (from image 

analysis), which was smaller than what the manufacturer reported (30-50nm). The size 

distribution for AgNMPVP is depicted in Figure 3.1A. The primary particle size for the AgNM300 

particle produced from image analysis was calculated to be 15±8nm, consistent with other 

reported values for this particle (Klein et al., 2011), as shown in  Figure 3.1B.  

Results for differential centrifugation sedimentation (DCS) for the AgNMPVP particle (Figure 

3.2A) showed the size-spectrum of the particle within the water was more extensive than 

expected, with the peak of highest abundance being shown within the micrometer range. The 

differential centrifugation sedimentation results for the AgNM300 particle were marginally 

smaller than expected, with a population peak at 12±5nm (Figure 3.2B). 
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Figure 3.1 The primary particle size distribution of two AgNM, measured from transmission 

electron micrographs, of A) a commercial material AgNMPVP (TEM; number of particles 

measured =426) B) a representative material AgNM300 (TEM; the number of particles measured 

=562). 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 3.2 The measured size spectrum of two AgNM, as measured with a disk centrifuge (CPS). 

A) a functionalized commercial AgNMPVP, where this particle has a broad size distribution that 

spans the nano-micro spectrum, with a clear peak at 1 micron (5mg/l; this data is from a single 

run n=1). B) a representative material AgNM300, results show that this particle has a narrow size 

spectrum with a peak at 12.2 nm (concentration; 5 mg/l; this data is from a single run n=1).
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The water column aggregate/agglomerate state (TEM images) of the AgNMPVP particle is 

presented in Figure 3.3. The TEM images showed that for AgNMPVP, an extensive range of 

aggregate sizes was present in the water column, which ranged from 200-1000nm in width 

(longest dimension). The TEM images supported that the AgNMPVP aggregate/agglomerates 

(AA) are likely fused via a PVP-cross linkage mechanism.  The water column 

aggregate/agglomerate state (TEM images) of the AgNM300 particle showed that the particle 

was less bonded than the AgNMPVP particle, and there was no indication of a fusion of the 

particles evident (Figure 3.4). 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 3.3  Transmission electron micrographs of the water column aggregation state of 

AgNMPVP particle, which were sampled from a static beaker (dosed with 5mg/l), which 

contained ISO media. TEM images were taken on a Titan (Karlsruhe Institute of Technology) 

at 300kv. The electron microscope was in scanning transmission electron microscopy mode 

(STEM) A), showing an array of micron-sized aggregates. Mag.=5K, B) Further image of the 

range of aggregates found for this particle. Mag.=14K, C) Close image of AA sampled from 

the water column, the primary NM that form the aggregate are clear. Mag=40K D) A close-up 

of the primary particles, illustrating a fused structure that links the primary particles. 

Mag.=225K. 
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Figure 3.4 Electron micrographs of AgNM300 particles. TEM images were taken on a Titan 

scope (Karlsruhe Institute of Technology) at 300kv. The electron microscope was in bright field 

transmission electron microscope mode (BFTEM). A&B) Images show that the pristine 

particles are uniform in size. The density of the pristine particles was visually consistent through 

the particles and was in line with what is expected from heavy metals, such as silver. The 

agglomerate structures seen here were thought to be an artefact of the drying process and not 

indicative of the state of the particles within the water column. Mag.=43K. C&D) Images depict 

the particles at high magnification (490K); the twin boundaries are clear within the particles. 

The images show that the particles are uniform in morphology and crystal lattice formation. 
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Figure 3.5 Energy-dispersive X-ray spectroscopy (EDS) of the two AgNM particles. Findings 

show that the particles imaged show a peak for silver, confirming their elemental composition. 

TEM images were taken on a Titan scope (Karlsruhe Institute of Technology) at 300kv. The 

electron microscope was in scanning transmission electron microscope mode (STEM) A), a 

commercial material AgNMPVP. Red arrows show the Ag signal in regions 1-3. B) a 

representative material AgNM300, black arrow 1, shows no signal as this is scanning a region 

selected on the carbon film, where no Ag is present. Red arrows show the silver signal in regions 

2-3
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3.3.2 Effects of water hardness on AgNM aqueous phase behaviour  

The total concentration behaviour of the two selected AgNM within soft and hard water, as a 

function of time, is shown in Figure 3.6. A decrease in aqueous phase AgNM concentration was 

seen for both particles over the 4-day time course, such that significant time-dependent 

relationships were present (linear regression model-with an exponential decay term, time, 

P<0.001; overall model performance; adj-R2=0.96, P<0.001, RSE=0.457, DF=25). Notably, the 

waterborne persistence (as indicated by the concentration decrease) was significantly lower for 

the AgNMPVP particle in contrast with the AgNM300 particle, with only 2% of the nominal (i.e. 

the named concentration of 5 mg/L) concentration persisting within the water column after one 

hour of dosing the system (Figure 3.6A). The total concentration (AgNMPVP) that did persist 

within the water column was different between soft and hard water (linear regression model, 

with exponential decay term:  Soft vs Hard water, P=0.000), with a higher concentration 

persisting within the soft water (Figure 3.6A). The model also showed that the waterborne time-

dependent total concentration behaviour differed for AgNMPVP within soft and hard water (LM-

interaction Soft*Hard, P=0.035). 

AgNM300 showed more persistent behaviour over the 4-day course, where the waterborne 

concentration decreased by up to 29% of the first measured concentration (Figure 3.6A). 

However, the concentration behaviour of AgNM300 exhibited no significant difference in total 

Ag concentration behaviour between Hard vs Soft, and the time-dependent total concentration 

behaviour between soft or medium hard water conditions was also not significant (LM: Soft vs 

medium-hard, P=>0.05, interaction, Soft*Hard, P=>0.05). 
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Figure 3.6 The effect of contrasting soft and hard water on the time-dependent water column 

behaviour of two different AgNM; a commercial functionalized particle (AgNMPVP) and 

representative particle (AgNM300) (a) on the total water column concentration. b) on the water 

columns dissolved silver fraction (n=5-9).  

 

The tested AgNM had a significantly different dissolved fraction. Systems dosed with AgNM300 

had a higher concentration of dissolved silver present within their colloidal system (Figure 

3.6B: LM: particle type, P=<0.05). The behavior of the dissolved fraction of the waterborne 

AgNM did not show a clear time-dependent relationship for either tested AgNM (linear 

regression model-with exponential decay term, time, P=0.071; overall model performance; adj-

R2=0.84, P<0.001, RSE=0.148, DF=22). The effect of water hardness was also not significant 

for either particle, i.e., no difference in the dissolved fraction was clear between soft and 

increased hardness conditions for either particle. 

 

 

 

 

 



Chapter 3. Aqueous phase characterisation of AgNM; effects of general water hardness and 

dissolved organic matter on physicochemistry and behaviour 

119 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 3.7 The effect of contrasting soft and hard water on the time-dependent water column 

physicochemistry of two different AgNM; a commercial functionalized particle (AgNMPVP) and 

a representative particle (AgNM300). A) on the water column flocculation behaviour B) AgNM 

flocs zeta potential (n=5-9). 

 

The water column aggregation state for the two tested AgNM differed between the particles. 

The AgNMPVP particle showed a larger size of the water column aggregation state (Z-Ave; 

Figure 3.7A LM: particle type, P=<0.05). The influence of time did not significantly affect the 

water columns aggregation state for either particle (Linear regression model-with exponential 

decay term, time, P=0.8; overall model performance; adj-R2=0.93, P<0.001, RSE=0.208, 

DF=45). No meaningful change in water column aggregation size was clear for either particle. 

The manipulated water hardness also did not significantly affect the water column aggregation 

state.  

The zeta-potential of waterborne aggregates of AgNM was significantly different between the 

two nanomaterials, where the AgNM300 particles had a greater negative charge over time (Figure 

3.7B). Overall results for water column zeta potential for the tested particles showed high 
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variability within the repeated measures of the sample, which is reflected within the fitted 

model. The analysis indicates no significant time-dependent effects are present, which is 

misleading as a visualization of the averaged data indicates time-dependent effects are present 

for AgNM300 (moderately hard water) and AgNMPVP (Hard water Figure 3.7B). The lack of time-

dependent effects is likely due to the high variance within the measured particles. The effects 

of contrasting water hardness on the waterborne nanomaterials were not significant for either 

silver nanomaterial (LM: Soft vs medium-hard, P=>0.05, interaction, Soft*Hard, P=>0.05).  

1.2.2 Effects of Humic acid on AgNM aqueous phase behavior 

Regression analysis indicated significant time-dependent relationships for both particles with 

and without humic acid (Figure 3.8; Linear regression model-with exponential decay term, 

time, P<0.001; overall model performance; adj-R2=0.96, P<0.001, RSE=0.024, DF=33). The 

AgNMPVP particle with 10 & 30 mg/L showed significantly different time-dependent 

relationships, where an increase in the waterborne concentration was evident within the humic 

acid treatments (Figure 3.8A). However, the AgNMPVP 10&30 mg/L humic acid treatments 

showed a similar time-dependent relationship (LM: AgNMPVP vs AgNMPVP+Ha, P=<0.05, 

interaction, AgNMPVP*AgNMPVP+Ha, P=<0.05). The AgNM300 particle did not show any 

significant differences in concentration within the water column (Linear regression model-with 

exponential decay term, 10&30 main effects; P=>0.05). However, AgNM300 behavior over time 

was modified by 10&30 mg/L of humic acid (linear regression model-with exponential decay 

term, 10&30 mg/L;  interaction, P<0.05; Figure 3.8B).  
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Figure 3.8 The effect of humic acid on the water column total silver concentration of two AgNM, 

over a four-day time course of a) a commercial AgNMPVP and b) a representative AgNM300(JRC), 

n=6-9. 

 

The measured dissolved fraction was significantly different between the two-particle types (Figure 

3.9;  linear regression model, particle type, P<0.001, time, P=0.123; overall model performance; 

adj-R2=0.89, P<0.001, RSE=0.024, DF=31). The AgNMPVP&30Ha conditions exhibited a 

significantly higher concentration of AgNM concomitant dissolved Ag, in contrast to the conditions 

with Ha (AgNMPVP vs AgNMPVP+30Ha, P=0.0123; Figure 3.9A). The dissolved Ag's relationship 

with time was also changed by adding humic acid, which affected the dissolved fractions' time 

relationship (Linear regression model, interaction: Ha30 mg/l, P<0.001). For the AgNM300 particle, 

there was also a significant effect of the treatments: 10&30 mg/L of humic acid (AgNM300 vs 

AgNM300+30Ha, P=0.0001), where an increase in the colloidal system, the dissolved fraction was 

also evident (Figure 3.9B). The dissolved fractions' relationship with time was also changed by 
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adding humic acid (LM; linear regression model, interaction time*Ha10+30 mg/L, P=0.001, 

P=0.001).  

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 3.9 The effect of the presence of humic acid on the waterborne AgNM concomitant 

dissolved fraction over a four-day time course of a) a functionalized particle (AgNMPVP) and b) 

a representative (AgNM300; JRC).  
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The water column aggregation state (Z-Ave) did not exhibit a significant time-dependent 

relationship for AgNMPVP (Linear regression model, baseline: AgNMPVP 0Ha, time, P=0.2769; 

overall model performance; adj-R2=0.87, P<0.001, RSE=0.013, DF=94; Figure 3.10A), apart 

from the condition with 10 mg/L of Ha, where a decrease in aggregate size was evident with 

time. In addition, time-dependent relationships were not present for AgNM300 (linear regression 

model, baseline: AgNM300 0Ha, time, P=0.836; Figure 3.10B). For AgNMPVP, the addition of 

humic acid (30mg/l) resulted in a significant difference (main effect), whereby an overall 

increase in the water column aggregation size was apparent at the start of the experiment (GLM, 

main effect AgNMPVP+30mg/L-Ha). However, the effect of the addition of humic acid was not 

sustained over the time course, and therefore no difference in the time-dependent relationship 

was present for any of the treatments (GLM, interaction = time*Ha10+30, P=<0.05). The 

representative AgNM300 did not show a significantly different Ha effect (main effect), while the 

addition of 10&30 mg/L of humic acid did not affect the first water column aggregation state 

(GLM, AgNM300+10&30mg/L-Ha, P=0.753, P=0.211). The results for AgNM300 particles 

showed that adding 10 mg/L of humic acid changed the AgNM aggregation state over the time 

course (GLM, baseline=AgNM300+0Ha; AgNM300+10-Ha mg/L, interaction P=0.00779), such 

that the particles showed better dispersion over the last 48hrs of the test. However, the 

modification effect for adding 30 mg/L was insignificant, showing that 30mg/L of humic acid 

did not modify AgNM time-dependent floc behaviour (GLM, baseline=AgNM300+0Ha; 

AgNM300+30-Ha mg/L, interaction P=0.185).  

For AgNMPVP, adding 10 mg/L of humic acid did not have a significant effect (P=>0.05) on the 

water column zeta-potential. However, the addition of 30 mg /L indicated a significant (main 

effect), whereby the particles starting zeta-potential were affected by the presence of the humic acid 

(Figure 3.11A; GLM, AgNMPVP +30 mg/LHa, P=0.0147).   
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Figure 3.10 The effect of the presence of humic acid on the waterborne AgNM agglomerate/ 

aggregate size for two selected nanomaterials a) functionalized (PVP) commercial silver 

nanomaterial b) representative AgNM (JRC). 

 

The addition of 30 mg/L also modified the time-dependent relationship (GLM, interaction, 

AgNMPVP+30 mg/L Ha, P=0.0291) relative to the baseline of AgNMPVP+0 mg/L Ha, where the 

flocculates showed a nonlinear-relationship-with-time, i.e. AgNM zeta-potential initially increased, 

which was then followed by a decrease. Results for the AgNM300 particle show that the addition of 

either 10 or 30mg/L humic acid did not affect the starting particles' zeta potential, i.e., the intercept 

(GLM, AgNM300), P=0.064, P=0.619). However, the addition of humic acid did modify the time-

dependent relationship (GLM, AgNM300, interaction = time*Ha10&30; P=0.006, P=0.274; Figure 

3.11B), whereby relative to the baseline condition, the effect over time was different. 
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Figure 3.11 The effect of the presence of humic acid on the waterborne AgNM zeta-potential 

for two selected nanomaterials a) functionalized (PVP) commercial silver nanomaterial b) 

representative AgNM (JRC). 
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3.4 Discussion 

3.4.1 Primary particle size and water column aggregate/agglomeration state 

The AgNMPVP particle was supplied in powder form, and sonication methods readily affect its 

dispersion (Taurozzi, Hackley & Wiesner, 2011; Retamal Marín, Babick & Stintz, 2017).  A 

significant finding was that for the AgNMPVP particle, a tiny fraction of the nominal 

concentration was persistent (residual fraction) within the water column, i.e., the particle, when 

resuspended and bath sonicated, did not form a stable colloidal system. Such an outcome was 

not expected because the particle was thought to be easily dispersed in water (as indicated by 

the manufacturer). However, TEM and disk centrifugation results indicate that the AgNMPVP 

floc size spectrum within the aqueous phase was highly variable and covered a range between 

nano-micron. Such that the average floc size found was much larger (>500nm) than supports 

the formation of a stable colloidal system (the particle was too big). These large flocculates 

were prone to rapid sedimentation as they were too big to be kept in suspension via electrostatic, 

steric or van Waals forces, i.e. DLVO mechanisms  (Polte, 2015). The behaviour of the 

AgNMPVP particle was similar to findings reported by Scown et al. (2010) and Osborne et al. 

(2012) for a similar particle (AgNMPVP-35nm), which was also supplied by Nanostructured and 

amorphous materials, where their findings also reported large aggregate sizes of  >1µm for this 

type of particle.  

The AgNM300 particle was uniform in morphology (icosahedral), and the primary particle size 

spanned a spectrum of 10-20nm, which was identified by both TEM image analysis results and 

disk centrifugation. The transmission electrographs indicated that the particles are not fused, 

crystalline or faceted. It is evident from the micrographs that the crystal (particles) twin 

boundary was apparent. The size spectrum's characterisation findings agree with the joint 

research centre (JRC) (Klein et al., 2011).  This particle is supplied as a nano silver colloid 

containing stabilizing agents, consisting of 4% w/w% of polyoxyethylene glycerol trioleate and 

polyoxyethylene (20) sorbitan mono-laurat (Tween 20), which acts as a steric stabilizer. When 

dosed into ISO medium (ionic strength 8.8mM), this AgNM persisted in a mono-aggregated 

state within the water column (i.e., not present as monodispersed particles within the water 

column).  A steric stabiliser's presence significantly controls the particle's persistence within 

the water column; this was considered a pertinent trait, as this particle may be more persistent 

when it reaches the environment. Therefore, this was considered a relevant AgNM model 

particle for environmental studies.  
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Dispersion protocols of AgNM often involve mechanical methods such as sonicating or stirring. 

Such methods produce repeatable, uniform dispersions and reduce variability within 

ecotoxicology studies. NM stocks' length of time sonicated can directly affect the aggregate 

dispersion formed (Hackley & Wiesner, 2010). Sonication's role in preparing nanomaterials for 

environmental toxicity studies is often explored (for a review, see Taurozzi, Hackley & 

Wiesner, (2011)). Commonly, concerns are that the colloidal formed from sonicating nano-

powders is not representative of what occurs in the natural environment (Taurozzi, Hackley & 

Wiesner, 2011; Roebben et al., 2011; Jiang, Oberdörster & Biswas, 2008). This work used a 

minimal dispersion approach, where a bath sonication of 8 min, followed by hand agitation, 

and another period of 8 mins of sonication were used. This approach followed previously 

published work within the research group at Heriot-Watt, which also used sonication times of 

less than 30min (Kermanizadeh et al., 2013; Johnston et al., 2015; Donnellan et al., 2017). A 

collective of other researchers has also adopted a similar approach to the Heriot-Watt labs, 

where for the dispersion of NM for toxicity studies, a short period of sonication was used 

(<30min): Osborne et al. (2012, 2016),  Nowack et al. (2012), Klaine et al. (2008), and Lowry 

et al. (2012). This approach was considered to be sufficient to disperse the AgNM but not 

introduce artefacts that can occur from prolonged sonication, such as elevated levels of 

dissolution from raised temperatures and the formation of reactive oxygen species, which have 

also been suggested to be produced from prolonged sonicating (Miljevic et al., 2014; Pradhan 

et al., 2016). However, the results suggest that this method may not have been optimal at 

breaking up the fused aggregates (PVP) and dispersing the powder material, as a large 

proportion of the particles appeared to be still fused in branch-like structures, most likely by 

PVP. However, the prepared wide spectrum micro-nano-colloid's polydisperse characteristics 

were considered environmentally relevant, for fate and behaviour and toxicity studies, as its 

more likely to be in this state within the environment (Klaine et al., 2008). Therefore, the 

AgNMPVP particle was still used for experiments. 

3.4.2 Effects of ionic strength on AgNM water column behaviour and physicochemistry 

The commercial-coated silver nanomaterial (AgNMPVP) had a highly variable aggregate 

spectrum, and results indicated a subpopulation of particles (residual fraction) persisted within 

the water column. This phenomenon has also been described by others, who have reported 

residual fractions of AgNM within aquatic systems after quiescent settling, post the 

sedimentation of a large proportion of the starting concentration (Quik et al., 2011; Velzeboer 

et al., 2014). The residual concentration was established by measuring the total water column 

concentration over the 96hr time course (total concentration), alongside identifying a significant 
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particle count within these samples using DLS- i.e., above the background count. This constant 

particle fraction was not thought to have been stabilised by electrostatic repulsive forces, as the 

zeta potential was too low to provide strong repulsive forces and, therefore, stability to the 

colloidal system (<-10mV) (Bhattacharjee, 2016). The constant AgNM fraction was selected 

and stabilised by steric stabilisation mechanisms. Due to the adsorbed PVP layer on the 

dispersed particles, which means particles cannot interpenetrate each other when the particles 

collide, which prevents the particles from getting close enough for the attractive forces the 

particles to form attachments, according to DLVO theory (Hotze, Phenrat & Lowry, 2010; Wu, 

Zhang & Watanabe, 2011). Synthetic freshwater was an effective solvent for a subpopulation 

of persistent agglomerates (residual fraction). However, initially, the equilibrium for AgNMPVP 

particle was in favour of sedimentation processes (removal), as the total water column 

concentration decreased rapidly at the start of the time course (within the first half-hour). 

However, this was attributed to large particles (primary particles in the µm range) being present 

in the AgNM dispersion, resulting in rapid sedimentation, not from the flocculation of AgNM. 

The behaviour of these particles illustrates how the freshwater environment may control the 

characteristics of nanomaterial exposure by the environment controlling which fraction persists 

in the water column. This residual persisting population of AgNM is of concern in the 

environment (Unrine et al., 2012; Velzeboer et al., 2014; Lead et al., 2018).  

The conjecture here was that the difference in water column AgNM concentrations, as a function 

of time, may be modulated by contrasting general water hardness (GH) on the mechanisms 

involved in a combined steric-electrostatic stabilisation system. The differences in electrolyte 

concentration between soft and hard water may modulate the sedimentation rate differentially. 

Such as via the suppression of the Debye length, thus reducing the size of the electrical double 

layer, altering AgNM-AgNM attachments and affecting the attachment efficiency and 

sedimentation processes (Wu, Zhang & Watanabe, 2011). If this was the case, one might expect 

to see evidence of this via differences in the aggregation state as a function of time, which was 

not evident in this study. However, within this study, the persistent AgNM residual fraction was 

affected by the medium's ionic strength, where the residual concentration was higher in soft 

water conditions, despite there being no effect of water hardness on the water column's AgNM 

aggregation state (AgNMPVP). Such an effect was mainly attributed to the steric stabilisation of 

the PVP coating, thus preventing the AgNM residual fraction from coagulating in the water 

column (Lourenco et al., 1996). The water column's aggregates of the AgNMPVP particle had a 

weak zeta potential (t=0, -3-10mV), which was not affected by the tested water hardness. These 

findings were in line with Thio et al., (2012) findings, who also saw little control of electrolytes 
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concentration on AgNM zeta-potential. This finding possibly indicates that changes in anion 

and cation concentrations (hard vs soft water) with a magnitude of difference that is relevant to 

freshwater (electrolytes) did not result in a measurable effect on the electrical double layer for 

this particle, such that the particles zeta potential was not affected by changes in electrolyte 

concentration. 

In conclusion, the factors driving a difference in the residual concentration for AgNMPVP 

particles between soft and hard water are not apparent, as the zeta potential was not different 

between conditions (hard or soft water), which indicated that changes in electrostatic conditions 

did not drive the difference in the stability between conditions (Fig. 3.6). No significant 

difference in particle size was indicated between soft and hard water, meaning that the 

difference in stability may not have been driven by differences in agglomeration size and, 

therefore, coagulation or sedimentation processes. However, the conclusion is that somehow, 

the selection of the residual concentration (which persisted within the water column) was 

affected by the contrasting general water hardness, but the exact mechanism was not clear. 

Overall, the findings here agree with others' findings, where a study demonstrated that AgNMPVP 

showed greater tolerance to increased concentrations of NaCl and CaCl2, where the particle 

physiochemistry and stability were less prone to influence from electrolytes. This was also 

attributed to the steric stability provided by PVP; however, within their study, particles coated 

with other coatings (citrate) exhibited more significant changes in the presence of higher 

concentrations of divalent electrolytes (Huynh & Chen, 2011). These findings are also in line 

with El Badawy et al. (2010) findings which also found little influence of electrolytes on the 

aggregation of the AgNMPVP particles. Other work again also supported that stabilised particles 

(PVP coated particles) showed increased mobility within different water types of freshwater 

and seawater- which has a very high concentration of electrolytes, and even in salt water, little 

control of environmentally relevant conditions was seen on the physicochemistry of coated-

AgNM (Thio et al., 2012). The progressive finding here is that the influence of environmentally 

relevant conditions was tested as a function of time, and the findings here support that the 

resistance to influence of abiotic factors, persist over a time course. 

Contrasting general water hardness showed no significant effect on the dissolved fraction of the 

AgNMPVP coated particle. The dissolved fraction within the system is constant from the start of 

the experiment, indicating that the AgNMPVP particles released its dissolved fraction quickly 

and reached equilibrium rapidly. An explanation might be that the AgNMPVP concomitant 

dissolved fraction is possibly supplied from Ag+ ions that are sorbed onto the surfaces of the 

particles, which are then re-dispersed into the water column when the powder is suspended in 
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the water. Here it was found that 0.3% of the AgNMPVP was dissolved in the system, which is 

lower than other values reported for PVP-coated AgNM in zebrafish medium. Others have 

reported a greater increase in the dissolved fraction (up to 0.1-15%-AgNMPVP) within 

moderately hard water (Osborne et al., 2012; Stoiber et al., 2015; Loza et al., 2014). An increase 

in ionic strength (electrolytes) has also been linked to increased dissolution with sterically 

stabilised NM (Huynh & Chen, 2011; Li & Lenhart, 2012). In particular, increasing chloride 

ions has been demonstrated to lead to the formation of soluble chloride complexes, such as  

AgCl2
- and AgCl3

2-, which can accelerate the dissolution of AgNM (Huynh & Chen, 2011). 

Similarly to Huynh & Chen (2011), the measured dissolved fraction from the study was used 

to model silver chloride speciation. Model results indicated a difference in the abundance of 

silver chloride complexes between soft and hard water, with an increase in AgCl2- being present 

in the hard water conditions (visual MINTEQ, Version 3.1; Figure 3.12), alongside a decrease 

in the presence of Ag+. However, within the aqueous phase, this difference in speciation state 

appears insufficient to facilitate significantly greater dissolution within the hard water tested 

here for AgNMPVP within this study. A possible explanation is that the difference in molality (of 

monovalent and divalent cations) within the modelled freshwater is not contrasting enough to 

drive a difference in the dissolution equilibrium. In support of this conclusion, Huynh & Chen's 

(2011) results also did not indicate a significant difference in the dissolution of PVP coated 

particles within a contrasting mono divalent electrolyte solution (e.g., 455 NaCl, 27 CaCl2, 

27MgCl2). In the present study, the difference in the concentration of significant mono and 

divalent electrolytes in the tested model freshwater was 1.8 for Ca2+, 6.67 for Cl- and 0.45 for 

Mg2+ (units mM), which is a representative magnitude of difference for environmental soft and 

hard freshwater (Smith et al, 2002). In conclusion, this difference in magnitude of electrolytes 

between hard and soft water within this study was not sufficient to drive increased dissolution 

in the adopted contrasting conditions.  
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Figure 3.12 The modelled speciation state of the dissolved fraction measured within our 

contrasting model waters based on the concentration of the dissolved fraction for PVP coated 

AgNM.  

 

The AgNM300 particle exhibited more remarkable persistence in the water column over the 

ninety-six-hour course than the AgNMPVP particle. The persistence of the AgNM300l within the 

aqueous phase was not affected by water hardness either. This indicates that alterations in the 

electrolyte concentration again did not affect the stability of the colloidal system, for example, 

via suppression of the electrical double layer, which would reduce the energy required to 

overcome the repulsive forces and form attachments and affect the particle's persistence in the 

aqueous phase. This indicated that the electrosteric stabilisation of the particle was effective at 

producing a stable system over the tested time course.  According to a GLM statistical test, the 

dissolved fraction of the colloidal system was not affected by water hardness either. However, 

visually, looking at the graph, there is an indication of increased dissolution within hard water 

within the last 48hrs of the test. Nevertheless, the statistical analysis indicates that the 

electrolyte difference between contrasting conditions did not alter the particle's oxidation or 

dissolution equilibrium.   

The water column aggregation state of AgNM300 particles was also not affected by the difference in 

water hardness. However, the zeta-potential of the waterborne aggregates (AgNM300) was affected 

by water hardness. Where, in hard water, the zeta-potential was reduced by the increase in 

electrolyte concentrations. These findings are in line with other researchers' findings for coated 

AgNM, where coatings comprised of synthetic stabilising agents form a thick and dense layer on 

the particles, which provide enhanced stabilisation such as tween (Li, Lenhart & Walker, 2012), 

which is a crucial polymer also involved in the stabilisation of AgNM300 particle. In support of the 

findings,  Li, Lenhart & Walker (2012) also indicated that the critical coagulation concentration 

(CCC; 300-1000 mM) for tween stabilised particles is significantly higher than other coatings. In 

their study, the CCC occurs within electrolyte concentrations higher than the concentration typically 

found in hard freshwater (Kilham et al., 1998; Smith, Davison & Hamilton-Taylor, 2002). On top 

of these points, recent results from fellow researchers at Heriot-Watt University also found that 

AgNM300K particle (a different batch of a very similar particle) demonstrated subtle influences of 

abiotic conditions, such as pH and ionic strength on AgNM300K physiochemistry. The particle also 

showed a limited change in physicochemistry and dissolution within varying water types of algae 

medium (Curry, 2017) and variable water hardness (Little, 2017). Such that mainly, their findings 

fell in line with the finding here. Notably, a shift in zeta-potential (reduction of) in higher ionic 

strength conditions was reported by Little (2017), however in a similar fashion to here, the change 
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in zeta-potential had little effect on the dispersion properties of the AgNM300K particle, which was 

attributed to its steric stabilisation mechanisms prevailing in hard water conditions.  

It is also worth noting that a study by Stebounova, Guio & Grassian (2010) did indicate that even 

stabilised (coated) particles will sediment in certain high ionic strength media; however, this 

medium was created as a model of biological fluid in the lungs, and therefore is not representative 

of conditions within freshwater systems. It is also essential to highlight that the finding here is 

different to the findings for non-coated particles, where ionic strength has been demonstrated to 

play a significant role in the flocculation of aqueous phase AgNM in an environmentally relevant 

concentration of freshwater electrolyte (Römer et al., 2011, 2013; El Badawy et al., 2010; Li & 

Lenhart, 2012; Sharma et al., 2014).  The condition of the steric coating is also worth consideration, 

as such coatings can be partial or degrade within the environment during weathering processes; this 

will modify any nanomaterials behaviour (Hotze, Phenrat & Lowry, 2010; Choi et al., 2013; Lead 

et al., 2018). However, Ha can always provide further stability, flowing the loss of any synthetic 

coating, such as PVP (Gao et al., 2012), and further nanomaterials can also form from the reduction 

of dissolved silver with humic acid – further contributing to the migratory population of AgNM 

within our freshwater systems (Akaighe et al., 2011).  

3.4.3 Effects of humic acid on water column behaviour and physicochemistry 

The addition of humic acid affected the waterborne residence time of the commercial nanomaterial 

(AgNMPVP). Adding humic acid to the colloidal system increased the persistence of AgNMPVP in 

the water column throughout the time course. The mechanism that may have had this effect could 

be attributed to humic acid coating the AgNMPVP particle and providing enhanced electrostatic and 

steric stabilisation from the humic acid's presence and charge (negative functional groups). This is 

consistent with other researchers' findings, where humic acid has been seen to increase the stability 

of AgNM (Delay et al., 2011; Gao et al., 2012; Gunsolus et al., 2015; Zhou et al., 2016; Cupi, 

Hartmann & Baun, 2015). The addition of humic acid also increased the dissolved fraction for the 

AgNMPVP particle in the system. These findings differed from Gunsolus et al. (2015) results, which 

did not find an effect of Ha on the dissolution of AgNMPVP. There may be explanations for this 

difference, such as the NOM used in Gunsolus's study was much higher in sulphur and nitrogen, 

which would influence the dissolution kinetics. 

Nevertheless, the addition of humic acid affected the water column aggregation state of the 

AgNMPVP particle. A difference was evident between the low (10mg/L Ha) and medium (30 mg/l) 

humic acid concentrations. For low concentrations of humic acid, a decrease in waterborne 

aggregates size was evident; for medium concentrations, an increase in aggregate size was evident. 

The lower concentration of humic acid is likely sufficient to provide a coating of the aggregates, 

increasing their stability within smaller clusters, but not providing excess humic acid to create 
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microbridges between aggregates, as may be the case in higher concentrations of humic acid within 

hard water (Huynh & Chen, 2011; Chen & Zhang, 2012; Janknecht et al., 2009). The zeta potential 

of this particle did show some changes in time-dependent relationships, where the addition of humic 

acid also led to an increase in zeta potential. The effect could have increased the stability of the 

AgNMPVP residual fraction by providing further steric stabilisation, which means AgNMPVP stability 

was, overall, independent of its zeta-potential (Gao et al., 2012; Gunsolus et al., 2015).  

For the AgNM300 particle, the water column total concentration was stable over time; however, for 

treatments with organic matter, a higher concentration was present in the water column over time.  

This finding aligns with findings that humic acid stabilizes waterborne nanomaterials (Delay et al., 

2011; Gao et al., 2012). The addition of humic acid had an apparent effect on the dissolved fraction, 

whereas treatments with humic acid showed an increased dissolved fraction. The Ha molecules 

could cause this sorbing to the surface of the particles, having a mechanistic mode of action, where 

the waving action of the macromolecules effectively displaces detached ions (Ag+) sorbed to the 

surface of the particles, which would increase the rate the particles are dissolved (Manoharan, 

Ravindran & Anjali, 2014; Grillo, Rosa & Fraceto, 2015). This is a possible explanation for the 

increased dissolved fraction seen here.  The findings here align with some of the other findings that 

support that humic acid increases AgNM dissolution Pokhrel, Dubey & Scheuerman, (2013, 2014). 

However, they also differed from some studies, which found that Ha decreased AgNM dissolution 

(Liu & Hurt, 2010; Zhang, Smith & Oyanedel-Craver, 2012). This may be because Ha acid can 

have a dual function, wherein in some cases, Ha can improve the dispersion, allowing a greater 

surface area to be available for oxidation; however, in other cases, higher concentrations of Ha 

formed mechanistic bridging and increased aggregation, which may decrease the surfaces that are 

available for dissolution (Kennedy et al., 2012).  

There was a strong effect of Ha on the waterborne AgNM300 aggregation state. However, a limited 

amount of dispersion was apparent within the last 48hrs. This finding is in line with a study by 

Kennedy et al. (2012), who showed a decrease in AgNM aggregate size with increased Ha 

concentration, though this difference was highly pronounced in their case. This limited influence of 

Ha on the dispersion of AgNM300 was thought to be because, AgNM300 exhibits a high degree of 

dispersion already, such that further increasing its dispersion would be hard. The addition of humic 

acid to the colloidal system affects the zeta potential. Where treatments with humic acid showed an 

increase in zeta potential (-mV) relative to treatments without Ha, however, the relationship 

appeared polynomial, where a decrease was seen toward the end of the time course, such an effect 

on the zeta-potential fell in line with others findings, who also saw such an effect of Ha on AgNM300 

water column zeta potential (Curry, 2017; Little, 2017). This was thought to occur from the coating 

of AgNM with Ha – which has an abundance of negatively charged functional groups that would 
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increase a particle's zeta potential. This coating was thought to contribute to improved steric 

hindrance of the particles by adding Ha to the colloidal system. In conclusion, the evidence here 

supports that Ha coating will significantly increase the mobility of AgNM within the environment, 

as others have also concluded (Delay et al., 2011; Kennedy et al., 2012; Gao et al., 2012). 

3.5 Synthesis and conclusions 

In summary, the objective of this chapter was to investigate the aqueous phase (water column) 

behaviour of sterically stabilised AgNM. These are more likely to be persistent in surface waters. 

Specifically, this work investigated the time-dependent effects of contrasting general water 

hardness and organic matter (humic acid) on AgNM water column stability and physicochemistry 

over a period, which reflected acute toxicity tests (96hrs).  The findings demonstrated a difference 

in the behaviour of the two studied AgNM. The AgNMPVP particle was less stable in the water 

column, and the AgNM300 particle was very stable in the tested conditions.  For both particles, the 

total dissolved fraction was not affected by the contrasting soft and hard water, nor was the particle's 

aggregate state, and the zeta potential was only slightly affected by the contrasted ionic strengths. 

In conclusion, the ionic strength influence on the AgNM tested over a ninety-six-hour course was 

minimal, mainly due to the slight differences in ionic strength between tested conditions. However, 

the difference in hardness tested is environmentally relevant. The persistence in the water column 

highlights the possibility of coated AgNM being transported within water bodies.   The AgNM 

behaviour was not consistent as a function of time, suggesting that there will be changes in the 

AgNM characteristics during a test within toxicity tests, indicating that this is an important 

consideration when designing toxicity experiments. These results also supported that the different 

concentrations of humic acid had different stabilisation effects on both these particles. The most 

important effect was Ha's ability to increase the dissolved fraction for both particles. Which posed 

the question that if this dissolved fraction is bioactive, this could have considerable ramifications 

within the freshwater environment. The zeta potential from AgNM300 particles was also affected by 

humic acid, supporting the hypothesis that it plays a significant role in the electro/steric stabilisation 

of a colloidal system.  

The overarching conclusion is that sterically stabilised particles, when suspended in typical 

concentrations of monovalent and divalent salt, which are representative of freshwater systems, 

contrasting water hardness did not exhibit a large amount of control on both the tested AgNM, such 

that hard water did not show strong destabilisation effects or regulation of the physicochemistry. 

The conclusion for the effects of Ha is that results indicate that a moderate concentration of Ha 

improved the AgNM persistence within the water column. This concludes that sterically stabilised 

particles are expected to have the propensity to be highly mobile in freshwater environments, 

irrespective of Ha. 
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4 Chapter 4.  Testing AgNM fate; A simulated stream process analysis (Part 

1), contrasting – quiescent and low shear flow systems 

4.1 Introduction 

Research efforts have not yet wholly addressed the role of riverine hydrology (i.e., open channel 

turbulent flow conditions) on AgNM aqueous phase flocculation and sedimentation processes. 

Nevertheless, some efforts have been made to assess the control flow disturbance and shear 

forces on NM's water column behaviour (Velzeboer et al., 2014; Lv et al., 2016b, 2018). 

Following a review of these critical studies, which addressed the influence of hydrology on NM 

fate, it was evident that such studies had not effusively assessed the effects of hydrology on the 

sedimentation mechanics of waterborne AgNM. These studies often addressed the question 

within multifactor systems and did not comprehensively assess the influence of turbulent flow 

as a single factor.  

For example, Quik et al. (2014) estimated sedimentation rates of NM within quiescent and 

turbulent benchtop systems (i.e., static beaker experiments). Their study attempted to simulate 

riverine flow using benchtop shakers, which imitate open channel turbulent flow. However, 

their approach was considered basic concerning how well their experimental setup emulated 

the effects of turbulence. Their experimental design primarily did not demonstrate the role of 

flow turbulence, as it was tested simultaneously with the influence of sediment scavenging, 

resuspension, and adsorption interactions. In addition, questions were raised regarding how 

environmentally representative the hydrology within their experimental setup/test systems was.  

As such, the work in this chapter is one of the first to address the role of turbulence as a single 

factor; this is also one of the first studies to comprehensively study the influence of flow 

disturbance and key abiotic factors on the aqueous phase behaviour of functionalised-AgNM 

concomitant dissolved fraction. This research uses a flume-based approach, which simulates 

natural freshwater hydrology and is ideal for studying the time-dependent behaviour of 

waterborne pollutants. There is still a great need for more information that incorporates 

comprehensive testing approaches, which flume can offer, for generating fate descriptors that 

demonstrate the influence flow (turbulence) can have on AgNM dissolution, floc evolution and 

aqueous phase residence time.  

4.1.1 Chapter aims, objectives and hypotheses 

Precisely, the objective of this chapter was to elucidate the role of low shear flow and selected 

abiotic factors (inorganic and organic matter) on AgNM aqueous phase floc-evolution and 
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sedimentation mechanic and its concomitant dissolved fraction within homo- and hetero-

flocculation scenarios. The study aimed to compare the effects of adding AgNM to quiescent 

(static) and hydrologic systems, with and without adding organic and inorganic matter. 

Specifically, this chapter focused on answering the following research questions:: 

➢ How does low shear turbulent flow affect silver nanomaterials' aqueous phase, 

flocculation, and sedimentation? 

➢ What effects do organic and inorganic colloids have on AgNM flocculation behaviour 

within contrasting quiescent and low-shear flow systems? 

The working hypotheses of the chapter are given below: 

1. Turbulent shear flows will have a differential effect on AgNM aqueous phase 

physiochemistry and the flocculation and sedimentation behaviour (development or 

rates, respectively), in contrast to quiescent conditions. 

 

Rationale: Under turbulent shear flow conditions, increased collision frequency and 

aggregation can occur where turbulent flow influences collision rates and provides more 

energy to overcome repulsive forces (DLOVO theory), increasing attachment rates 

between NM particles and accelerating their apparent flocculation. However, when the 

turbulent shear is too high, the forces typically responsible for creating flocs can break 

up larger aggregates instead. This, in turn, makes it harder to generate large flocs. As 

such, while aqueous phase AgNM flocculates can be larger in weak turbulent flow 

conditions, their size may be limited by more significant flow turbulence. In addition, 

the presence of turbulent shear flow conditions can also reduce their apparent 

sedimentation, with higher levels of turbulence keeping them in suspension compared 

to quiescent conditions. 

 

2. The addition of organic and inorganic matter will modify the aqueous phase 

physiochemistry and flocculation evolution/development within both turbulent and 

quiescent conditions. 

 

Rationale: Other researchers have demonstrated that natural colloids via hetero-

aggregation mechanisms can increase the apparent removal rates of waterborne AgNM. 
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However, other studies have shown that 'model' organic matter, such as humic acid, can 

also act as a dispersant increasing the NM persistence in the water column.  

 

4.2 Methods 

4.2.1 Annular flume; quiescent and low shear flow experiments 

To set up quiescent experiments, the annular flume was filled with 44 litres of Milli Q water 

and 11 litres of OECD medium to a total water depth of 133 mm. The water-OECD mixture 

was homogenised by increasing the flow velocity to 0.30 ms-1 within the annular channel for 

two minutes. 50.0 ml of the 1100.0 mg/L AgNM stock was added to the system to yield a 1.0 

mg/L nominal concentration. For a quiescent run with clay, the setup consisted of 44 litres of 

Milli Q water and 11 litres of ISO medium, mixed as above. After dosing it with NM and Clay, 

a 300-mL quantity of the mixture was removed to keep a constant overall volume in the annular 

channel. A 250.0 mL volume of 1100 mg/L suspended kaolinite clay stock was slowly added 

to the recirculating flow system, yielding a nominal 5 mg/L clay concentration. The clay-water 

mixture was again homogenised for 2 min at 0.30 m/s  before 50.0 ml of 1100.0 mg/L AgNM 

stock was added to yield a 1.0 mg/L nominal concentration, following a further homogenisation 

period, of 2min at 0.30 m/s. Subsequently to this mixing procedure, the flow generator was 

turned off, and samples were collected at a 5cm depth in the water column at set elapsed times 

over the 13-day run duration.  

The relative quiescent static and StaticAgNM+clay (SC) aqueous phase controls were 

conducted in the annular flow system, as described above, while the equivalent quiescent 

StaticAgNM+humic acid (SHa) condition was conducted in a benchtop beaker experiment (200 

ml beaker system) to reduce the amount of humic acid required for each run. This was deemed 

acceptable as the flocculation and sedimentation conditions within static flow experiments were 

assumed to be broadly similar (i.e. irrespective of container size/geometry). A static beaker 

system was also a more manageable way to achieve relative control for quiescent conditions. 

The system setup was similar for runs with turbulent flow conditions, where the annular flume 

was filled with 44 litres of Milli-Q water and 11 litres of OECD medium. The flow velocity 

was adjusted to 0.12 ms-1 and left running for 30 min to allow the electric motor to produce a 

consistent speed, with minor adjustments made to the voltage (i.e. RPM) until a consistent flow 

profile was attained. At this stage, an appropriate amount of AgNM stock was added to the 

system to yield a 1.0 mg/L nominal concentration. For the additional run conditions with clay 
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or organic matter, 15 mg/L of kaolinite or humic acid was added to the Milli-Q water – OECD 

medium mixture. 

After dosing the annular flume system, the flow speed was increased to 0.3 m/s for 2 min to 

homogenise the concentration before returning to 0.12 m/s (for information about the selected 

flow rates, please see methods chapter 2 – section 2.3.1). In short, the selected flow velocity 

replicates a flow rate indicative of typical freshwater stream bed regions; this flow rate has been 

adopted by researchers investigating column-to-bed exchange of pollutants (Boncagni et al., 

2009b; Lv et al., 2018; Kunkel & Radke, 2008). 

 The experiments were performed in triplicate (n=3) for the first 96 hrs (for the flow 

experiments) to ascertain the repeatability of the experimental runs and subsequent analysis of 

the effects of turbulent flow on the flocculation and sedimentation behaviour of the aqueous 

AgNM phase. For static experiments, single replicates were run. This time scale was selected 

following the observation from Quik (2014), who indicated that this period of sedimentation 

was likely to have the greatest variability and, therefore, should have replication. Triplicate 

replication over the whole experiment duration would have been optimal; however, it was not 

financially viable for the project to cover the full costs of ICP-MS analysis. As such, for 

replicate 1, water samples were collected at 0, 4, 8, 24, 48, 72, 96, 144, 168, 192, 216 and 240 

hrs, andd for subsequent replicate 2-3, samples were only collected at 0, 4, 8, 24, 48 and 96 hrs. 

For selected experiments, to validate the amount of sedimented AgNM, samples were taken at 

the bottom of the flume over time. For this purpose, the flume bed's three different areas (20 

cm2) were sampled at 24, 48 and 96 hrs. A summary of the experimental runs is provided in 

Table 4.1. 

 

Table 4.1  Summary of all quiescent and low shear flow systems tested in the annular flume 

SYSTEM 

TYPE 

RUN TREATMENT SEDIMENT REPLICATION TIME 

(DAYS) 

UNARY Static none 1 21 

BINARY Static+clay none 1 21 

BINARY Static+Ha* none 1 21 

UNARY Flow (0.12 m/s) none 3** 21 

BINARY Flow+clay (0.12 m/s) none 3** 21 
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BINARY Flow+Ha (0.12 m/s) none 3** 21 

*to save on materials, quiescent studies with Ha were done in static beakers. 

**replication was only done for the first 96hrs of the flume run, as this was when the most variance in settling was 

thought to occur. 

 

4.2.2 Physicochemistry characterization 

For a description of how the Physicochemistry was measured from the water sample taken from 

the small-scale flume experiments, please see Methods Chapter section 2.1.5 Physiochemistry 

Characterization.  

4.2.3 Water sample processing 

For a description of the water sampling procedures used within the small-scale flume 

experiments, see Methods Chapter, section 2.1.4 Water Sampling Procedure.  

4.2.4 Water sample silver analysis 

For a description of the quantitation of the total system Ag and AgNM dissolved Ag 

concentration used within small-scale experiments, please see Methods Chapter section 2.1.6 

ICP-MS analysis. 

4.2.5 Physicochemistry characterization 

For a description of how the Physicochemistry was measured from the water sample taken from 

the small-scale flume experiments, please see Methods Chapter section 2.1.5 Physiochemistry 

Characterization. Triplicate sample were taken from each replicate and averaged for both z-

average values and zetapotential measuremernts.  

4.2.6 Curve fitting and statistics 

For a description of how the statistics were conducted and what models were fitted to the data, 

please see Methods Chapter sections 2.1.8 and 2.2.7. 

 

4.3  Results  

4.3.1 The annular flume; UVP flow velocity profiles & Flow hydraulics 

Average flow velocities (m/s) were obtained (for different motor RPMs) by averaging UVP 

velocity profiles obtained throughout the flow depth at profile location P6 (see Table 4.2) and 

multiplying by the cross-sectional flow area (Bh) to yield the flow rate or volume flux (m3 s-1) 

(see methods section 2.3.4).  Full details of all flow velocity profiles obtained by the UVP 

system from all measurement locations around the annular flume channel are not shown – can 
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be supplied upon request. The annular flume generated relatively clean flow velocity profiles; 

however, some variance in the flow velocity profiles was evident throughout the flow depth. 

The flow velocity was reduced to zero at the probe's tip, typical of UVP measurements. Profile 

measurements were taken at 19 locations around the flume channel (see methods section 2.3.3 

for a complete map of positions – Figure 2.2). Examples of three profiles are shown here, at 

locations P1 (i.e. immediately downstream of the paddle device), P5 (i.e. on the curve of the 

annular flume), and P13 (i.e. along the straight channel section opposite the flow paddle; Figure 

4.1). Results indicated that the vertical flow profiles around the annular flume were slightly 

non-uniform. However, when considering the depth-averaged flow velocities, it was shown that 

the variation around the flume was relatively small, and thus the flow conditions were 

considered uniform. To explain, at measurement locations near the caterpillar paddle (P1), 

higher flow velocities were obtained in the surface layer (as expected). This was thought to be 

due to how the paddle generated the flow at the surface of the water column. At P1, velocity 

profiles also showed near-bed boundary layer effects, where friction affects the bed surface 

flow, resulting in a reduction in flow velocities close to the bottom boundary of the water 

column. This flow profile was generated within the straight sections of the flume directly after 

the paddle (Figure 4.1, P1). In the section after the corner of the flow channel (P5), UVP flow 

profiles indicated higher velocities immediately above the bottom boundary layer, with a 

gradual reduction in velocity as the surface approached. This was caused by secondary 

circulations generated in the annular flume at the device's corners (Figure 4.1, P5). Once the 

flow reached the straight section again, opposite the caterpillar paddle (P13), flow velocities 

were more consistent throughout the depth of the water column (Figure 4.1, P13). The average 

flow velocities in successive cross-section (P1-19) within the flow channel is shown in Figure 

4.2A.   

Table 4.2 Summary of average flow velocity and flow rates from velocity profiles measured at 

location P6 over different paddle speeds (RPM). Velocities at different depths on P6 were 

averaged, and flow was calculated based on flow dimensions (width and depth of water column) 

and average flow speed (See methods section 2.3.3 for position map of annular flume). 

RPM  Ave. speed (m/s) Flow rate (m3/s) Froude (F) Reynolds (Re)* 

98  0.084 0.0010 0.074 11.9 

120  0.123 0.0015 0.109 17.0 

135  0.160 0.0020 0.142 22.7 
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*expressed as K = thousands 

 

To assess the stability of the flow system as a function of time, the depth-averaged flow velocity 

at measurement location P6 was evaluated for a given motor speed (120 RPM) as a function of 

time (Figure 4.2B). UVP velocity profiles were taken approximately every minute over 3 hours, 

with the depth-averaged flow velocity calculated from each profile over the 180 min 

measurement period. These depth-averaged velocities were then averaged over time to provide 

a temporal mean value of 0.123 ± 0.002 m s.-1, with a low coefficient of variation (Std. 

dev/mean) of 2.0%. This flow analysis indicated that the annular flume system could provide 

long-term stable flow conditions throughout the experimental runs.  

 

Figure 4.1 Flow profile at three different locations on the annular flow system (see figure 3.2). 

Velocity in mm/sec on the Y-axis and distance from probe along the X-axis (see figure 3.1). 

P1) flow is faster at the surface. P5) flow is faster at the bottom. P13) Flow is homogeneous at 

the surface and bottom. The red dashed line indicates the stream's surface, and the blue dashed 

line indicates the stream's bed. 
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Figure 4.2 A) Average flow speed at different distances from the flow generator (caterpillar 

paddle).  Paddle speed 120 RPM; more stable speed profiles were observed between P5-P18 

B) Flow average speed (m sec.-1) over time (min) at a paddle speed of 120 RPM. 

 

4.3.2 The role of turbulence on the fate of waterborne AgNM 

1.4.4.1 Sedimentation behavior; Total silver behavior within the water column 

Sedimentation rates, calculated with a least-squares model within R alongside hetero-

aggregation descriptors, are shown in Table 4.3. For the tested abiotic conditions of 

StaticAgNM (S), StaticAgNM+clay (SC), StaticAgNM+humic acid (SHa), FlowAgNM (F), 

FlowAgNM+clay (FC) and FlowAgNM+humic acid (FHa), most treatments exhibited 

significant aqueous phase AgNM non-linear time-dependant concentration decay relationships 

(Table 4.4). 
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Table 4.3 The decay-relationship of water column silver nanomaterials within contrasting quiescent and low shear flow and the 

effect of adding clay and humic acid to the system. The table presents the results of nonlinear least-squares modelling of the 

sedimentation rate constant (Vsed d), residual concentration (Crc) and the starting concentration (C0). Results are reported with 

standard error and significance.  

Best-fit values Static (S) Static&Clay15(SC) Static&Ha15(SHa) Flow(F) Flow&Clay15(FC) Flow&Ha15(FHa) 

C0 785±33.98 900±25.15 888.8±7.738 787.6±42.28 728.5±42.97 934.6±15.81 

Crc 425.7±23.25 504.7±8.892 761.1±15.11 29.54±47.48 5.54±43.91 550±35679 

k (d) 0.00322±0.025** 0.00240±3.248* 0.00000±0.005 1.10616±0.011*** 1.33224±0.014*** 0.00911±0.003* 

Vs (m/d) 0.00024±0.025** 0.00018±3.248* 0.00000±0.005 0.08317±0.011** 0.10017±0.014*** 0.00068±0.003* 

$Khet10_crit NA 0.0015±NA NA NA 0.00243±NA NA 

a_het,crit K_het,crit NA -0.006 NA NA 0.394 NA 

a_het, crit NA -3.86 NA NA 162.26 NA 

C10/C0 0.54 0.56 0.86 0.04 0.01 0.59 

C240/Co'noclay'-

'withclay' 

NA -0.018 -0.314 NA 0.030 -0.551 

Degrees of Freedom 27 27 27 21 21 21 

R squared 0.75 0.89 0.81 0.89 0.88 0.82 

Sum of Squares 201821 51240 16353 275873 269445 63662 

*Indicates significantly different from zero with ns= >0.05, *<0.05, **<0.01,***<0.001 
$ Khet10= The apparent hetero-aggregation rates (m3/kg/d) at t=10days, of the AgNM with kaolinite clay 
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Findings showed that waterborne AgNM within the static (S) system demonstrated a time-

dependent relationship  (Table 4.3; Figure 4.3A – blue line and circles), where the water 

column concentration decayed in a nonlinear (exponential) trend from 785 →250 µg/L, over 

10 days. The addition of clay to the system significantly modified AgNM waterborne 

behaviour (Table 4.4), resulting in an initial burst of AgNM removal of 880→520 µg/L, 

which then plateaued with a higher residual (asymptotic) Ag concentration of 790-484 µg/L, 

which was still present at 240 hrs (Figure 4.3A - red line and squares). The apparent 

sedimentation rate constant k of aqueous AgNM in static conditions (generated via the least 

squares method) ranged from 0.0000-0.0032 day-1, while the corresponding AgNM 

sedimentation rates (Vs ) were shown to be 0.240 mm day-1 and 0.180 mm day-1 for the static 

(S) and static with kaolinite (SC) conditions, respectively (Table 4.3). The results also 

indicated that the addition of humic acid to the quiescent system (SHa 15mg/L) again 

produced a significantly different time-dependant relationship (slope/decay relationships) 

relative to the S condition (Table 4.4). Specifically, the SHa condition showed substantially 

greater dispersion throughout the run (Figure 4.3A- green line and triangles), with minimal 

decay behaviour and a long-term asymptotic Ag concentration of 761 µg/l. As such, the 

sedimentation rate Vs for the SHa condition was also approximately zero (0.0000±0.005, 

P=>0.05), supporting the fact that very limited AgNM sedimentation occurred within the 

static system under this SHa condition. 

The introduction of paddle-driven low shear flow [termed the FlowAgNM (F) condition], 

relative to the static (S) AgNM sedimentation behaviour described above, was found to 

significantly increase the removal rates of aqueous phase AgNM, as a function of time (Table 

4.4; Figure 4.3B- blue line and triangles). Here, the corresponding sedimentation rate 

constant found in the shear flow condition was 1.106 (k - d), which gave a corresponding 

sedimentation rate of Vs = 0.083 m day-1 (i.e. over 300 times the sedimentation rate of the 

static AgNM condition).  A contrast of the FlowAgNM (F) and the FlowClayAgNM (FC) 

conditions indicated that the addition of clay induced a significant modification in AgNM 

waterborne time-dependant sedimentation behaviour, where an overall increase in AgNM 

sedimentation rate was apparent for the FC condition (Table 4.3; Figure 4.3B - red line and 

squares). 
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Figure 4.3 The waterborne persistence of AgNM, as a function of time within a simulated 

stream (Annular flume), dosed with 1 ppm at t=0, where A) Quiescent system (static); B) 

Low shear flow system (0.12 m/sec). Experiments were conducted in soft water with a pH 

of 7.4. Data reported as n=1 for quiescent (Static), and n= 3 for Flow & Ha treatments. 
*Quiescent (static) conditions were conducted in benchtop beaker experiments for humic acid runs, in triplicate.  

 

This change in sedimentation behaviour was attributed to the influence of low shear flow on 

hetero-aggregation between the aqueous phase AgNM and clay fractions.  In support of this 

hypothesis, results for the modelled apparent hetero-aggregation rate showed an increase 

relative to the corresponding rate for the SC system (Khet10day; Table 4.3). These results 

show that the contribution of hetero-aggregation to AgNM sedimentation was more 

outstanding within low shear flow conditions than within the static conditions, where the 

addition of clay reduced sedimentation rates.  

 Furthermore, adding 10 mg/L of model organic matter (FHa system) also significantly 

affected the aqueous phase AgNM persistence. Relative to both the F and FC systems, humic 

acid (Ha) modified AgNM waterborne time-dependent behaviour (Table 4.4; t=240, 522ppb; 

Figure 4.3B- green line and circles) where AgNM were more persistent within the water 

column within Ha treatment. 
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Table 4.4 Results of a categorical linear model regression (CLRM) of AgNM water column 

sedimentation behaviour and dissolved fraction, contrasting the different tested AgNM 

systems, quiescent and low shear flow; and the effect of abiotic modifiers of humic acid (Ha) 

and kaolinite clay (clay).  
System & modifier Intercept (P-value) Time (slope; P - value) Process 

(AgNM) 

StaticAgNM1 <0.05*** <0.05 *** 

se
d

im
en

ta
ti

o
n

 StaticAgNM vs StaticAgNM+clay1 <0.05*** <0.05*** 

StaticAgNM vs StaticAgNM+Ha1 <0.05*** <0.05*** 

StaticAgNM vs FlowAgNM1 <0.05*** <0.05*** 

FlowAgNM vs Flow+clay2 <0.05* <0.05* 

FlowAgNM vs Flow+Ha2 <0.05*** <0.05** 

StaticAgNM3 <0.05** <0.05*** 

d
is

so
lv

ed
 f

ra
ct

io
n

 

StaticAgNM vs StaticAgNM+clay3 >0.05ns >0.05ns 

StaticAgNM vs StaticAgNM+Ha3 <0.05* >0.05ns 

StaticAgNM vs FlowAgNM3 <0.05* <0.05* 

FlowAgNM vs Flow+clay4 <0.05* <0.05* 

FlowAgNM vs Flow+Ha4 <0.05*** <0.05** 

*Indicates significantly different from zero with ns= >0.05, *<0.05, **<0.01,***<0.001 1 =CLRM model1: S 

= reference level; model formula = concentration ~ exp(-k*time)*treatment; model parameters = R2=0.93, 

RSE=0.37, DF=150; significance reported as: P=<0.05***); 2 = CLRM model2: F = reference level; model 

formula = concentration ~ exp(-k*time)*treatment; model parameters = R2=0.94, RSE=0.33, DF=150; 

significance reported as: P=<0.05***  3 = CLRM model3: S = reference level, model formula = concentration 

~ exp(-k*time)*treatment ; R2=0.68, P=<0.05, RSE=0.2, DF=90; P=<0.05***; 4 = CLRM model4: F = 

reference level, model formula = concentration ~ exp(-k*time)*treatment ; R2=0.70, RSE=0.21, DF=90; 

P=<0.05***. 

 

 The concomitant dissolved fraction within the water column 

The AgNM concomitant dissolved fractions showed time-dependent relationships (Figure 

4.4A and B).  A decrease in total water column silver concentration was observed throughout 

each experimental run, irrespective of static or flow conditions (10-days). For the S system, 

a significant relationship with time was present (Table 4.4; Figure 4.4 A – blue line and 

circles), where AgNM concomitant dissolved fraction reduced from 26.5 → 14.5 μg/L over 

the 10 days. Relative to S system, the addition of clay (SC) to the static system did not 

significantly influence AgNM concomitant dissolved fraction (Table 4.4; Figure 4.4A – red 

line and squares), with the equivalent concentration ranging from 28.1→ 11.6 μg/L over the 

10 days. Similarly, the addition of Ha to the static system (SHa) indicated little or no 

modification to the time dependant dissolved fraction(Table 4.4; Figure 4.4A – green line 

and triangles), with the concentration decaying from 25.1→ 13.6 μg/L during the 10 days.  

In contrast to the quiescent system (S), the low shear turbulent flow system (F) showed a 

significant difference in AgNM dissolved fractions' time-dependent behaviour (Table 4.5; 
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Figure 4.4B – blue line and triangles), where the concentration decayed at a faster rate than 

within the S system  (28.1 → 7.8 μg/L), over the 10 days. The addition of clay to the flow 

system (FC) also showed a faster decrease (steeper slope) in the dissolved silver fraction 

than the F system without clay (Table 4.4; Figure 4.4B – red line and diamonds). 

Furthermore, the addition of humic acid to the system (FHa) significantly increased the 

concomitant dissolved fraction of the AgNM relative to both the F and FC systems (Table 

4.4; Figure 4.4B – green line and circles), where the AgNM concomitant dissolved fraction 

remained stable at 38.9 → 37.9 μg/L over the 10-day duration. Thus, the behaviour of the 

FHa system showed a marked change from the equivalent SHa condition conducted under 

static conditions.  

 
Figure 4.4 The waterborne behaviour of AgNM concomitant dissolved fraction (DF*) as a 

function of time within a simulated stream (Annular flume), dosed with 1 ppm at t=0, where 

A) Quiescent system (static); B) Low shear flow system (0.12 m/sec). The experiments were 

run in soft water with a pH of 7.4 *DF is a term used here that describes a method used, which measured 

the dissolved fraction, by isolating it using ultra-centrifugation, which might be more specifically described as 

the low molecular weight Ag fraction. 

 

 Water column time-dependant physicochemistry evolution  

Silver nanomaterial's waterborne floc evolution was assessed for differences in the influence 

of abiotic factors (Ha and C) within quiescent and low shear flow systems (Figure 4.5A and 

B). The floc evolution in the quiescent system (S, SC & SHa) was relatively similar, with the 

general trend across treatments displaying a slight decrease in floc size as a function of time 

(Figure 4.5A). In contrast, the general trend of floc-evolution for the low shear flow systems 

(F, FC & FHa) exhibited an increase in floc size as a function of time, which was then 

0 100 200
0

20

40

60

80

100

Flow

Flow+Clay

Flow+HA

0 100 200
0

20

40

60

80

100

Static

Static+Clay

Static+HA

Time (hrs)

W
at

er
 c

o
lu

m
n

 A
gN

M
d

is
so

lv
ed

 f
ra

ct
io

n
 (

µ
g/

l)

A B



Chapter 4.  Testing AgNM fate; A simulated stream process analysis (Part 1), contrasting – 

quiescent and low shear flow systems 

148 

 

followed by a slight decrease in floc size towards the end of the experimental runs (Figure 

4.5A B).  

Specifically, no time-dependent floc regression relationship was evident in the S system, where the 

homo-flocculate (HOMOF) size did not change significantly during the time course (Table 4.5; 

Figure 4.5A – blue line and circles). Such results only showed a slight decrease in floc size during 

the last two days of the run [where size reduced from 128.4 ± 30.2 nm → 59.3 ± 16.6 nm (mean±SD, 

Z-ave)]. In contrast, the temporal floc-sizes evolution within the SC system indicated a decrease in 

hetero-flocculate size (HETEF) with time (Table 4.5; Figure 4.5A – red line and squares). Initially 

(i.e. after t = 0.00 hr), the HETEF sizes were larger with high variance (263.2±153.2 nm) than the 

equivalent HOMOF sizes (from the S system), which then decreased as a function of time to 27 ± 5.7 

nm (at t = 240 hr).  Results for the SHa system demonstrated that the addition of humic acid also 

caused an overall slight decrease in the floc-size with elapsed time (from 78.94±6.2 to 49.9±4nm 

over the 10 days); however, this effect on the time-dependent floc-size was not significant (Table 4.5; 

Figure 4.5A – green line and triangles).   

 

 

 

 

Figure 4.5 The aqueous phase floc evolution of AgNM within different simulated 

environmental conditions, dosed with 1 ppm at t=0, where A) Quiescent system (static), B) 

Low shear flow system (0.12 m/sec). The experiments were run in soft water with a pH of 

7.4.  Data reported as mean±SEM from three independent experiments; zeta-sizer ZS (Z-ave; 

n=3), apart from static treatments, reported as mean±SEM from multiple measurements from 

one experiment (n=1).  

The influence of the low shear flow (F) condition was demonstrated to have a more 

significant influence on the aqueous phase HOMOF size evolution compared to within the 

static (S) system (Table 4.5; Figure 4.5B – blue line and triangles). Specifically, for the F 

system, the initial HOMOF size was variable (102.4±85.9nm at t=0.07 hrs), which increased 
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significantly as a function of time before reducing slightly to 881.67±268.4 nm (at t=240 hr). 

This represents an 8.6-fold increase in AgNM floc size over the run duration.  

At the start of the experiment, the influence of the addition of clay (FC) resulted in larger 

HETEF sizes than the HOMOF sizes in the F system (i.e. 419.5±287.8nm at t=0.07 hrs). The 

evolution of HETEF sizes within the FC system over the run duration followed a similar 

increase and then a slight decrease in size, similar to the HOMOF-size generated in the F 

system (where HETEF sizes reached 806±307nm and t=240 hrs). After the initial 48 hours, 

both the F and FC systems developed a similar range of mean floc-sizes during the remainder 

of the time course. In difference to this, the HETEF evolution, generated within the FHa 

system, was found to increase at a slower rate than in the F & FC systems (Table 4.5; Figure 

4.6B – green line+ triangles; size ranged from 129.7±53.6 nm at t = 0.07 hrs to 

476.8±22.82nm at t = 240 hrs).  

Except for the static condition (S), AgNM zeta-potential within SC, SHa, F, FC and FHa treatments 

showed time-dependent relationships (Figure 4.6). Specifically, no clear temporal trend of AgNM 

zeta potential was observed within the S system, and data showed high variability (Table 4.5; Figure 

4.6A – blue line and circles). The S system's zeta values were between -12.7 ± 5mV throughout the 

run. By contrast, the zeta potential for the HETEF system of SC decreased significantly as a function 

of time from -19.2 ± 2.95mV (at t = 0 hr) → -7.46 ± 3.16mV (at t = 240 hrs)(Table 4.5; Figure 4.6A  

– red line and squares). The addition of Ha to the static system (SHa) also significantly influenced 

AgNM waterborne zeta potential, where again a general increase was found at the start of the 

experiment (relative to the S system), which during the run, then decreased from -20±5 → -10±5 mV 

(Table 4.5; Figure 4.6A  – green line and triangles).  

The F system had a significantly different time-dependent influence on the waterborne AgNM zeta 

potential relative to the S system (Table 4.5; Figure 4.6A B – blue line and triangles). A quadratic 

response was observed within the F conditions, where zeta potential values started at -12.99 ± 4.1mV 

then decreased to -4.6 ± 2.24mV (at t = 96 hrs) before marginally increasing to -6.36 ± 3.79mV at 

the end of the run (t = 240 hrs). For the FC HETEF system, a similar quadratic time-dependant zeta 

potential relationship was obtained (Table 4.5; Figure 4.6A B  – red line and diamonds), but the zeta 

potential of the HETEF run increased significantly to -20±4mV (t = 0 hrs) at the onset of the 

experiment, before decreasing significantly to -5±3mV  (t = 120 hrs) which is a zeta potential to the 

F system for this timepoint. Then AgNM zeta potential marginally increased to -8±3mV (t = 240 hrs). 

The addition of Ha to the low shear flow system (FHa) also affected AgNM time-dependant zeta 

potential. However, the relationship differed from the F and FC systems (Table 4.5; Figure 4.6A 
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B  – green line and circles). A more linear decrease in zeta potential was observed as a function 

of time from -17±2 to -13±2mV over the flume run duration.   

Table 4.5 Results of a categorical linear model regression (CLRM)*, of AgNM water column 

floc-size and zeta potential, from the different tested AgNM systems, of quiescent and low 

shear flow; and the effect of abiotic modifiers of humic acid (Ha) and kaolinite clay (clay).       
System & modifier Intercept (P-value) Time (slope; P - value) Process 

(AgNM) 

StaticAgNM1 <0.05*** >0.05   

Fl
o

c 
si

ze
 

StaticAgNM vs StaticAgNM+clay1 <0.05** <0.05* 

StaticAgNM vs StaticAgNM+Ha1 <0.05* >0.05 

StaticAgNM vs FlowAgNM1 >0.05 <0.05*** 

FlowAgNM vs Flow+clay2 <0.05*** <0.05*** 

FlowAgNM vs Flow+Ha2 <0.05*** <0.05*** 

StaticAgNM3 <0.05*** >0.05 

Ze
ta

 p
o

te
n

ti
al

 

StaticAgNM vs StaticAgNM+clay3 <0.05*** <0.05** 

StaticAgNM vs StaticAgNM+Ha3 <0.05*** <0.05* 

StaticAgNM vs FlowAgNM3 >0.05 <0.05*** 

FlowAgNM vs Flow+clay4 <0.05*** <0.05* 

FlowAgNM vs Flow+Ha4 <0.05*** <0.05**  

*Indicates significantly different from zero with ns= >0.05, *<0.05, **<0.01,***<0.001 1 =CLRM model1: S 

= reference level; model formula = z-ave ~ * poly(time, degree = 2)*treatment; model parameters = R2=0.74, 

RSE=0.07, DF=318; significance reported as: P=<0.05***); 2 = CLRM model2: F = reference level; model 

formula = diss. frac. ~ * poly(time, degree = 2)*treatment; model parameters = R2=0.77, RSE=0.05, DF=344; 

significance reported as: P=<0.05***  3 = CLRM model3: S = reference level, model formula = ZP*poly(time, 

degree = 2)*treatment ; R2=0.61, RSE=0.2, DF=398; P=<0.05***; 4 = CLRM model4: F = reference level, 

model formula = ZP*poly(time, degree = 2)*treatment ; R2=0.62, RSE=0.21, DF=357; P=<0.05***. 

 

 

 

Figure 4.6 The aqueous phase floc zeta potential of AgNM300 within different simulated 

environmental conditions, dosed with 1 ppm at t=0, where A) Quiescent system (static), B) 

Low shear flow system (0.12 m/sec). The experiments were run in soft water with a pH of 

7.4. Data reported as mean±SEM from three independent experiments; zeta sizer ZS (Z-ave; 

n=3), apart from static treatments, reported as mean±SEM from repeat measurements from 

one experiment (n=1). 
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4.4 Discussion 

4.4.1 The hydrology performance of the annular flume 

Findings supported that the annular flow system successfully generated non-uniform low-

shear turbulent flow. Non-uniform low-shear turbulent flow is typical within natural streams 

and rivers (Hickin, 1995), which usually displays flow velocities that generally increase from 

the bottom (i.e. bed) to the free surface (Hickin, 1995). Critically, there were minor 

differences in flow profiles in successive cross-sections within the annular flume, which were 

thought to be due to artefacts created by the device. These differences in vertical flow profiles 

in successive cross-sections of the channel were caused by 1. The singular point of contact 

of the flow paddle system, 2. Effects generated by the channel bends, and 3. the distance 

from the Flow generating device (i.e. paddle).   

Specifically, average flow velocities were generated in the channel, which was between 0.1 

- 0.3 m/s (i.e.Table 4.2); these values can be considered environmentally representative of 

velocities that are found in the near-bed region of slow-moving sections of rivers and streams 

(Moir, Soulsby & Youngson, 1998; MacVicar & Roy, 2007; Conesa-García & García-

Lorenzo, 2009). It was also acknowledged that there were some limitations to using an 

annular flume for these experiments, particularly concerning the accuracy of the simulation 

of environmental flow. These conditions are typically more accurately simulated within a 

pumped, straight recirculating flume. However, the required pumping to recirculate the water 

flow introduces strong shear forces that would produce unnatural floc-evolution (through 

artificially induced floc break-up mechanisms). This would, in turn, affect the water column-

bed exchange and thus introduce anomalies into the sedimentation mechanics being studied. 

As such, the objective of the annular flumes was to provide realistic simulations of natural 

streamflow, and in conclusion, the flow profiles the Annular system generated were thought 

to be adequately reflective of the hydrology of a natural stream.  

4.4.2 The waterborne recovery & adsorption within the annular-flume 

The reported recovery values (expressed as a % of the nominal concentration), measured 

within the water column immediately after the homogenisation, showed variability between 

runs. Measured silver recoveries across the treatments averaged 64±10% (t=0 hr, although 

representative of the concentration immediately after the homogenisation step, i.e. t=4 min), 

meaning 26-46% of the total amount of silver could not be accounted for. This initial loss 
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could be explained by:  1. Rapid sedimentation of the AgNM particles occurs directly after 

dosing (prior to the homogenisation step). 2. Rapid sedimentation caused by the 

homogenisation step (a 2-4min event where the flume was left to run before the first sample 

was taken) 3. During the homogenisation step, rapid interactions with the test system, such 

as attachment to flume walls and paddles, immediately post-dosing.  As such, the initial 

reactions of waterborne AgNM were thought to have occurred faster than first-order reactions 

progress, as others had alluded to (Quik, 2013). This is thought to occur via either homo or 

hetero-flocculation or sorption mechanics when the water column concentration of AgNM 

was at its highest at the beginning of the experiment. The observed variance in recoveries 

between runs was also not thought to be due to dosing differences between experimental 

runs, as the experiments were dosed from the same master stock vial, which was verified to 

be the nominal concentration before dosing the system (10.1% w/v) via atomic absorption 

spectroscopy (ASS). Other possible covariates in our experiments, such as temperature, pH 

and conductivity, did not significantly differ between treatments (see Table 10.4 ; Appendix 

D).  This level of variance generated at the onset of the experimental runs was not considered 

detrimental to the study, as this work was interested primarily in relative sedimentation and 

aggregation rates as a function of time, with models fitted to data obtained after this initial 

deposition had taken place, as others previous studies have done (Quik, 2013; Boncagni et 

al., 2009). This meant that the models only considered conditions once the system had 

reached homogeneity or equilibrium of the dosed AgNM and when the AgNM removal 

behaviour was more consistent with first-order kinetics. However, it is essential to 

acknowledge that these findings suggest that some degree of adsorption processes may have 

occurred at the onset of the experiment and during the runs themselves until the test system's 

saturation of the binding sites has occurred.  This meant that, to a certain extent, the AgNM 

removal rates estimated by the models might also have been influenced by adsorption 

processes. Nevertheless, it was thought that this adsorption may have occurred to greater 

extent at the start of the experiment when the binding sites were more abundant, and sampling 

was not started until after this step had occurred. It's also worth reiterating (see methods 

section) that attempts were made to minimise adsorption influencing the experiments, where 

the experimental systems were dosed with a high concentration of AgNM to saturate these 

binding sites. To an extent, despite minor variances caused by the different materials between 

the runs (e.g. clays & Ha), adsorption rates to the test system were thought to remain 
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relatively low, with slight variance between the experiments, as the surfaces in the system 

had already been saturated during preparations before the experiments where run. In an 

attempt to further validate that amount of adsorption within our system, a study was done, 

where during a flow experiment, a settled amount was obtained by sampling an area (4cm2 ) 

off the bottom of the flume throughout a time course (24,48&96hrs), which was then 

quantified and added to the concentration within the water column (mg). A percentage of 

silver that could be accounted for was calculated from this. Our finding was that immediately 

after the homogenisation step, 66-82% (expressed as a percentage of concentration at t=0) of 

the silver was accounted for during the experiment. The fraction that was not accounted for 

(18-34%) was attributed to adsorption processes (for the full results, see Table 10.3, 

Appendix D), and it was assumed that this factor should be relatively consistent throughout 

all the experimental with relatively small differences between runs. It was concluded that 

differences in AgNM behaviour in the system could be attributed mainly to sedimentation 

rates, with this experimental setup still providing insights into differences in waterborne 

AgNM within different abiotic setups. 

4.4.3 AgNM sedimentation behavior; quiescent vs turbulent flow conditions 

Within quiescent sedimentation conditions, the waterborne AgNM sedimented as a function 

of time. The sedimentation rate constant of waterborne AgNM in static conditions was found 

to be 0.0032±0.025 (m/d). Previously reported [Quik et al., (2014)] AgNMPVP (dh=90.5nm) 

sedimentation rates were similar (i.e. 0.0048 (m/d)) to the experimental values obtained in 

the current study. The previously reported values by others [e.g. Velzeboer et al. (2014) and 

Quik et al., (2014)] were estimated using PVP, and silicon-coated AgNM, which are expected 

to be less stable than the AgNM300 particles used in the current study—predisposing the NM 

used in their studies to show naturally higher sedimentation rates within quiescent conditions.  

Under static conditions, when comparing treatments with clay (SC) and without clay (S), the 

estimated Vs for the SC condition (0.00000 m/d) were lower than for the S condition ( 

0.00024 m/d), suggesting that kaolinite clay acted as a stabilising agent for the suspended 

AgNM particles under static conditions. Conversely, hetero-aggregation with clay particles 

is frequently associated with the destabilisation of colloidal systems (Petosa et al., 2010; 

Zhou, Abdel-Fattah & Keller, 2012).  However, the effects of clay and its ability, in some 

cases, to destabilise colloidal systems are pH-dependent due to its physicochemistry. Clays 

have a heterogeneous surface charge (Zhou, Abdel-Fattah & Keller, 2012). The 
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destabilisation mechanisms that clays can initiate are thought to occur via hetero-aggregation 

(i.e. the interaction of clay particles with AgNM particles either as face-edge or edge-edge 

interactions). 

Nevertheless, kaolinite clays' heterogenous surface charge also means that,  depending on 

the pH, clay particles may have both positive and negative facets present on their surface, 

causing the NM to interact with clays in different ways under different conditions (Liu et al., 

2014; Liu, Hwang & Lenhart, 2015). As such, under specific water chemistries, the presence 

of clay may also form a more stable hetero-aggregate colloidal system via electrostatic 

stabilisation and clay's ability to cause an increase in the hetero-flocs energy barrier. Under 

this scenario, the Clay-NM interaction does not result in coagulation and subsequent 

sedimentation, as others have demonstrated under specific conditions (Wang et al., 2015). 

The experimental model's outcome is different from other findings, such as Quik et al. 

(2012). The latter demonstrated that natural colloids (with a high concentration of clays) are 

responsible for increased hetero-flocculation and sedimentation hetero-aggregation, 

considered the dominant removal process within natural waters.  However, their work tested 

six natural classes of water, and increased sedimentation was present in five of the six natural 

waters. By contrast, one of the natural waters (Brabantse, a small stream in the Netherlands) 

showed a reduction in sedimentation, which they attributed to the fact that a smaller size 

spectrum of natural colloids was present in this river.  Our thoughts were that clays present 

in this river might be responsible for this effect.  Another study by Zhou, Abdel-Fattah & 

Keller (2012) also demonstrated the influence of clay on the coagulation and sedimentation 

of AgNM particles. However, their work also noted that this relationship was ionic strength 

dependant (i.e. required increased IS). Our contradictory findings have implications for the 

fate of AgNM particulates within natural riverine systems, where interactions of AgNM with 

colloidal clays within specific water chemistry may increase AgNM dispersion and 

persistence within the water column under certain hetero-aggregation conditions (i.e. where 

pH = 7.7 and the ionic strength was low). However, our finding of the stabilising effects of 

kaolinite clay is in accord with Wang et al. (2015), who demonstrated that under pH 8, a 

binary system of AgNM+kaolinite clay increased the critical coagulation concentration of 

waterborne AgNM. As such this and the current findings are important, as they introduce the 

possible stabilising effects on AgNM from clay, which enhances our current understanding 

of what modulates the fate and transport of AgNM particles within riverine systems. 
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Within static conditions, a run with the addition of humic acid (10 mg/l; SHa) resulted in 

increased stabilisation of AgNM, where the concentration of AgNM was more persistent 

within the water column throughout the experiment, indicating that the removal processes 

acting under quiescent conditions in the AgNM run (quiescent; S), had been reduced.  This 

finding is supported by other findings, where research reports that the coating or interaction 

of the particles (AgNM) with Ha results in a steric stabilisation mechanism which prevents 

the particles from flocculating and therefore increases their water column persistence (Gao 

et al., 2012; Sharma et al., 2014; Gunsolus et al., 2015).  

Within in flow (F) conditions in the annular flume system, the removal or sedimentation rate 

constants of AgNM were found to range between k= 1.160±0.011 and 1.332±0.014 d, which 

gives a corresponding sedimentation rate of 0.083±0.011 to 0.100±0.014 m/d. These 

sedimentation rates (Vs) are higher than values reported for quiescent conditions by 

Velzeboer et al. (2014) and Quik et al. (2014). However, they are similar to the increased 

sedimentation rates reported for suspended solids or rates obtained via hetero-aggregation 

with natural colloids (NC), as reported by the same authors. The role of turbulence on the 

apparent sedimentation rate results in Vs rates that are several orders of magnitude higher 

than equivalent rates generated within static conditions. This indicates that low shear flow 

increases AgNM waterborne removal processes (e.g., flocculation and sedimentation). This 

finding aligns well with Velzeboer et al. (2014) findings that also demonstrated turbulence's 

role in increasing the removal processes. However, their findings suggest that combined 

processes of hetero-aggregation with natural colloids, suspended sediment scavenging, and 

turbulence were synergistically responsible for the increased AgNM apparent removal rates. 

The authors further conclude that modifications to sedimentation processes via 

heteroaggregation primarily drove the removal of NM from the water column, not the 

mechanisms of turbulence alone.  However, this work demonstrates and isolates the role of 

turbulence. Results show that under specific water chemistries, turbulence (low shear flow) 

is a critical mechanism that controls the removal (flocculation) of water column AgNM. 

The addition of clay to the systems (FC) did not have a significant influence on Vs relative 

to the Vs within the F system, which is possibly due to the low shear flow influence becoming 

dominant over the stabilising effect of clay that was seen in the quiescent system(SC). As 

such, it is hypothesised that turbulent flow increases the probability of collision of NM with 

other NM or interaction with other particles such as clay and that the kinetic energy delivered 
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from the shear flow provides enough force to overcome the energy barrier, which within the 

S condition may have provided a stabilising influence to the AgNM-clay hetero-floc. The 

lack of a statistically significant influence of kaolinite clay on the AgNM sedimentation 

behaviour within low shear flow might be explained by the fact that, under low salinity 

conditions at neutral pH, researchers found that NM hetero-aggregation occurs only to a 

limited extent, as demonstrated previously for other types of clay such as illite and 

montmorillonite (Liu, Hwang & Lenhart, 2015). However, this does not explain why clay 

(kaolinite) may act as a stabiliser via hetero-aggregation in quiescent conditions only to have 

no effect under turbulent flow conditions.  

Low shear flow may prevent AgNM from interacting with clay particles and acting as a 

dispersant, which may explain the difference in overall effect. It is also probable that the 

small clay particle fraction, from the clay's vast size spectrum of 40-1000nm, plays a role in 

the phenomenon seen here (as the characterisation results revealed, see Appendix C). As it 

may be that the stabilising effects seen in the S system may have comes from this subfraction 

of the kaolinite clay (40-100nm seen in the clay's characterisation results). Then under 

turbulent flow, the subfraction undergoes an increase in floc size (discussed in more detail 

in the next section), which, if aggregated, may not provide stabilisation via heteroaggregation 

mechanisms, as was present for the more dispersed clays within the quiescent system (S). 

However, findings indicate that to an extent (although not significant), greater sedimentation 

is visible within the hetero-aggregate conditions of FC, which was also supported by the 

difference in the sedimentation rates of 0.083±0.011 vs 0.100±0.014 for F and FC, 

respectively. This emerging trend may be driven by hetero-aggregation of the FC flocs.  

Our findings demonstrate that a component of natural organic matter, humic acid, acted as a 

stabilising agent to the waterborne AgNM within the quiescent system (SA), which increased 

AgNM persistence in the water column. The role of humic acid within low shear flow 

systemin indicated that Ha counteracts the destabilising effects turbulence has on AgNM 

waterborne behaviour, most likely via a similar mechanism humic acid has within static 

systems, such as via the improvement AgNM electro-steric stabilisation system. As a function 

of time, adding humic acid to AgNM in turbulent waters again resulted in an increase in the 

persistence of AgNM within the water column. This finding is difficult to directly compare 

to other studies, considering the effect of organic matter within a low shear flow is limited. 

However, the results generally align with Quik et al. (2014) study, which showed that natural 
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waters with higher concentrations of dissolved organic matter (DOM) resulted in lower 

sedimentation. Furthermore, as a proxy for natural organic matter, DOC reduces the 

attachment efficiency of engineered nanomaterials, which results in more excellent 

stabilisation of waterborne NM (Zhang et al., 2012; Quik et al., 2010). 

To further characterise the effect that kaolinite clay and humic acid may have on the 

sedimentation behaviour of waterborne AgNM within a quiescent and low shear flow, a 

method that calculates the fraction (C240/C0' no-modifier'-'with modifier') removed from the 

water phase, due to hetero-aggregation and sedimentation was adopted from Quik et al., 

(2014) study. Applying this method to estimate the influence of clay and humic acid on 

AgNM water column behaviour supported the results discussed above. The fraction removed 

due to these modifiers differed between quiescent and low shear flow systems. In quiescent 

conditions, the difference was negative for StaticC and SataticHa (StaticC = -0.018, Static 

Ha = -0.314; for a plot of these results, see Appendix D), which suggests a decrease in 

sedimentation in the presence of these modifiers. However, findings for Flow conditions 

(FC= 0.039, FHa = -0.551) indicate a small amount of sedimentation due to the influence of 

clay; however, it is minimal. Nevertheless, the findings for FHa again suggest a significant 

reduction in sedimentation with this modifier occurred.  Attempts were also made to 

calculate descriptors that define the heteroaggregation rates (Khetero,critαhetero,crit) and 

attachment efficiencies (Khetero,critαhetero,crit/Khetero = αhetero)  using the calculation 

presented by Quik et al., (2014) & Velzeboer et al., (2014), which used a simplified 

Smoluchowski equation. The findings suggested that heteroaggregation rates 

(Khetero,critαhetero,crit = -0.00000065) were meagre within quiescent clay conditions and 

low within the low shear flow and clay conditions (Khetero,critαhetero,crit = 0.0023). 

However, findings were thought to be inconclusive/questionable for attachment efficiency 

(αhetero,crit) estimations, possibly due to difficulties in calculating the collision frequency 

between quiescent and low shear flow, as vales obtained were not similar to values reported 

by Quik et al., (2014) & Velzeboer et al., (2014).  Generally, it was concluded that results 

supported that heteroaggregation was low within our system.  

4.4.4 AgNM concomitant dissolved fraction; quiescent vs turbulent flow conditions 

The findings of the behaviour AgNM300 concomitant dissolved fraction as a function of time 

within quiescent or flow systems did not exhibit increased dissolution as a function of time. 

In fact, within flow conditions, the dissolved fraction appeared to decrease as a function of 
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time. The release of silver ions from AgNM is likely to happen by two mechanisms, oxidation 

of the zero valence silver or release of adsorbed ions from the surface of the NM (Dobias & 

Bernier-Latmani, 2013a). Studies have reported that the oxidation of silver happens at a 

faster rate in acidic conditions, pH<6 (acidic freshwaters), whereas at neutral to higher pH 

values (alkaline freshwater), oxidation is thought to occur at a slow rate (Liu & Hurt, 2010).  

The findings here were indifferent to the general expectations of the dissolution of AgNM. 

Where generally, the accepted hypothesis for the dissolution of AgNM as a function of time 

is that the rate of dissolution will be rapid at first and will then slow down until either an 

equilibrium is formed or, under certain conditions, complete dissolution of the particle might 

occur (Wu et al., 2020). The dissolution of AgNM is typically thought of as being a nonlinear 

relationship.  However, the abiotic conditions that the AgNM are interacting with will 

inevitably modulate the dissolution rate established. Research by Loza et al. (2014) 

demonstrated a classic AgNM dissolution relationship, where the variable dissolution of 

AgNM was seen in different media types as a function of time. In ultrapure water, the 

concentration of concomitant dissolved fraction reached 60% of the weight of the particles 

after forty days of oxidising. However, within salted water (NaCl 0.9%), the dissolution was 

a lot less, where the dissolved fraction was capped at 75% of the wt of the particles after 

almost two hundred days of reaction. The % dissolution that had occurred at twelve days was 

similar (0.1-2%) to the values found within quiescent conditions within this study.  The 

concomitant dissolved fraction measured (5-40µg/l) within our static conditions is similar to 

the values estimated within natural water, as demonstrated by Li & Lenhart's (2012) study. 

However, the trends seen within our data did not fit the classical dissolution relationship with 

time that many researchers have reported. The trends found here showed a decrease in the 

dissolved fraction as a function of time, followed by a plateau, where a persisting fraction 

was present. However, our results did show similar trends in dissolution rates, reported by 

Bardaxoglou, Rouleau & Pelletier, (2017), whose work reported AgNM showed high water 

column stability and that dissolution of polymer coated AgNM  was low, within river water.   

Silver nanomaterial's waterborne dissolved fraction within quiescent systems (S) decreased 

rapidly during the first 24hrs and then levelled off (at 20µg/l) for the rest of the time. In a 

similar trend, the dissolved silver fraction (Ag) within low shear flow systems decreased 

within the first few hours and then remained stable (at 10µg/l) for the treatment of F and FC 

for the rest of the time course. Similarly to the S system, it is possible that the release of 
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dissolved Ag from AgNM occurred within the master stock, which was then dosed into the 

system and then proceeded to establish its equilibrium under the experimental conditions. 

There were, however, differences between the treatments of clay and no clay. In the low 

shear flow and clay (FC) treatment, ionic silver concentrations decreased more rapidly than 

within treatments without (S & F). This may be explained by a combination of processers, 

such as interaction (such as adsorption) of silver ions with clay particles, thus, decreasing the 

water columns' ionic Ag concentration. This trend was more pronounced within the low shear 

flow scenarios with clay. Suggesting that low shear flow may further facilitate the adsorption 

of free silver onto the clay particles.  In addition, adsorption processes (Ag+-clay) may also 

contribute to the change in the state of the dissolved fraction within the water column. In 

addition, the formation of silver halide species may also play a role.  Any halide species may 

then interact with the heterogenous surfaces of the clays and form hetero-flocs, which can 

then be exchanged to the streambed bed via sedimentation processes. This process may be 

accelerated within low shear flow, explaining the faster reduction of the dissolved fraction 

seen under this treatment. The dissolved fractions water column to bed exchange processes 

is of biological importance (Gupta et al., 2016, 2017), as interaction with clay could modify 

how the toxic dissolved fraction interacts with organisms. 

Nevertheless, transport to the benthic via chelation with clays may increase exposure to 

bioavailable forms of silver for benthic dwelling organisms. However, if the dissolved 

fraction is reduced to silver halide crystals during the ageing process, this could reduce its 

toxicity. Low shear flow may also provide accelerated transport to the bed via clay particles, 

which could be a suitable mechanism for removing the dissolved from the water column. 

This mechanism could even be exploited as a remediation tool. These findings are difficult 

to contextualise within the framework of other findings, as studies in this area are very 

limited, so further work needs to be done here. The cationic exchange capacities of clays are 

well known for several heavy metals (Uddin, 2017a), which support one aspect of this theory. 

These findings, in particular, highlight the importance of low shear flow's role in further 

modifying the processes that influence the fate of AgNM dissolved fraction. 

The FHa run within low shear flow showed a sustained higher AgNM concomitant dissolved 

fraction concentration. This behaviour was specific to the low shear flow conditions, as, 

within quiescent conditions, no significant increase in the dissolved fraction was present. 

This finding is interesting as it demonstrates a mechanism specific to the low shear flow that 
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is causing a higher concentration of dissolved Ag, which persisted within the water column. 

Supporting that, there was something about the mechanics of low shear flow which generated 

a higher concentration of dissolved Ag, which may be due to a combination of processes 

generated within the turbulent flow. This phenomenon might be explained by Ha assisting 

AgNM particles to persist within a dispersed state in the water column for longer, leaving a 

greater surface area for the smaller flocs to react with the solvent (water). In addition, the 

kinetic movement of the particles may drive greater surface oxidation, in contrast to the 

quiescent conditions.  

Another theory that might explain this phenomenon is that the turbulence, in conjunction 

with the adsorption of humic acid onto the particles, may produce mechanical agitation of 

the molecules attached to the particles, thus producing a pumping mechanism, which may 

accelerate the efficiency of the oxidation of the surface of the particles, i.e. the dissociation 

of Ag+ from the surface of the particles. Another factor playing a role here is that the humic 

acid has plenty of cations, which may chelate the Ag+  rapidly and therefore further enhance 

the gradient of release or displacement of Ag+ from the surface of AgNM flocs, thus 

enhancing the concentration of free Ag, persisting within the water column (Li et al., 2010; 

Klitzke et al., 2015; Pokhrel, Dubey & Scheuerman, 2013). This finding has implications for 

organisms' waterborne exposure to the dissolved fraction. Its increased water column 

concentration within low shear flow could lead to increased exposure to the organisms. This 

is interesting because the presence of Ha is often associated with protecting the organism. 

However, under this scenario, it demonstrates that this could lead to greater AgNM 

concomitant dissolved fraction transport. However, the dissolved fraction supplied by this 

process may not be in a bioavailable form. Again, these findings are difficult to contextualise 

within others' findings, as studies on the influence of turbulence on dissolution processes are 

minimal, so further work needs to be done here. However, our findings on the influence of 

low shear flow and Ha on the dissolution of AgNM are in contrast to several other findings 

within quiescent conditions, where the ability of NOM has been found to inhibit the 

dissolution of AgNM within natural waters (Liu & Hurt, 2010; Gondikas et al., 2012; Klitzke 

et al., 2015). This work for quiescent conditions agrees with their findings, demonstrating a 

slight reduction within quiescent conditions. However, it is worth noting that others have 

demonstrated that in other scenarios, NOM has also been found to increase the dissolution 

of AgNM (Pokhrel, Dubey & Scheuerman, 2014, 2013).  As such, these findings support that 
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low shear flow is driving a difference in the behaviour of AgNM+Ha dissolved fraction, 

which is a novel finding to date. 

4.4.5 AgNM physicochemistry in quiescent & turbulent flow conditions 

It was hypothesised that low shear flow would increase the probability of NM-NM and NM-

clay collisions and provide kinetic energy to overcome the energy barrier between the 

particles (DLVO theory), which was thought to increase both the homo- and hetero-

aggregation floc size as a function of time. In support of this, results showed a significant 

increase in floc size over time within turbulent-flow systems (low shear conditions) relative 

to the floc evolution within quiescent (S) systems. This finding is important as it has 

implications for how waterborne AgNM different floc-state (dispersed vs aggregates) may 

interact differently with organisms and how their environmental transport and fate may be 

regulated differentially in hydrodynamic conditions (Li, Lenhart & Walker, 2012; Quik, 

2013; Velzeboer, 2014; Lee et al., 2018). In support of aggregation-state influencing toxicity, 

via affecting dissolution mechanisms, among others, research to date supports this assertion, 

where it has been shown that AgNM aggregation-state can modulate AgNM concomitant 

dissolved fraction, and consequently associated bioavailability and toxicity (Lee et al., 2018; 

for a review see Luoma, Khan & Croteau, 2014). Our finding is significant, as the difference 

in AgNM floc evolution between quiescent and low shear flow conditions may lead to 

differences in the degree of risk posed within these different aquatic systems. Others have 

also demonstrated that shear flow can influence the aggregation state of NM within a similar 

study with CeO2NM (Lv et al., 2018). The difference in AgNM behaviour between these 

conditions (quiescent vs turbulent) is a novel finding on the behaviour of waterborne AgNM, 

with minimal literature for direct comparison, as many of the studies to date focus on 

studying floc evolution within an acute temporal basis and within quiescent scenarios, where 

the aggregation behaviour is studied over minutes, instead of days, such as  Baalousha et al., 

(2013). However, the floc evolution as a function of time of the AgNM seen in quiescent 

conditions within this study is similar to the trends seen by Li, Lenhart & Walker's (2012) 

study, which addressed the floc formation of coated-AgNM over 14 days. Their results found 

that a marginal decrease in floc size was apparent as a function of time.  

The recent study by Lv et al. (2018) addressed a similar question concerning the influence 

of shear flow on the flocculation evolution of a different particle CeO2NM, which they 

assessed in two natural freshwaters and seawater. Their findings on the influence of shear 
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flow on the aggregation kinetics of CeO2 indicated that there were two different outcomes 

for how shear flow can affect NM floc formation, where low shear flow results fell in line 

with our findings, such that in low shear flow relative to quiescent conditions, they saw an 

increase in the floc size as a function of time. Though, within high shear flow conditions, the 

flocs were seen to disintegrate. The trends they saw were similar for both freshwaters and 

sea water. Their findings support that low shear flow has a similar effect mechanism on 

CeO2NM flocculation, comparable to what we found for AgNM. However, there were 

notable differences in the floc evolution between CeO2NM and AgNM, such that despite a 

similar primary particles size between them (AgNM = 35-50nm and CeO2NM was reported 

to be 25nm), there was a difference in the floc size being formed within both quiescent and 

low shear flow conditions (AgNM = <0.2 & 1.5 µm and CeO2NM = <1 & 2-6 µm for 

quiescent & shear flow respectively).  This difference in floc size between particle types may 

relate to a difference in critical size, which corresponds to a  balance between gravity and the 

NM-specific stabilising/sedimentation mechanisms (electro & steric & buoyancy) of the 

flocculates (Lv et al., 2018), which is likely due to the difference of the particle in material 

density (with Ag having a density of 10.49 g/cm3 and CeO2NM having a density of 7.22 

g/cm3).  As another matter of interest, the findings here support that low shear turbulence is 

a possible factor that could be applied within remediation projects for flocculating 

waterborne NM.  

The hetero-aggregate floc evolution in the systems with the addition of clay (SC and FC) 

was confounded by the difficulty in verifying if the flocs measured using DLS are hetero-

aggregates or measurements of the AgNM-AgNM flocs. The two materials (Clay and AgNM) 

in a quiescent binary system of AgNM with clay (SC) maybe act independently.  The AgNM 

and kaolinite clay flocs, measured independently, were around 50-150nm for AgNM, within 

soft water alone, and the floc size for clay based on DLS results (see Appendix D - for graphs 

on clays size-spectrum) was 200-500nm. The effect of AgNM hetero-aggregation with clay 

(nominally 15 mg/l) within quiescent conditions was thought to affect the system floc size 

only at the beginning of the time course, where an increase in the floc size was seen during 

the first 100hrs of the experiment relative to the floc state of just AgNM particles undergoing-

homo aggregation (S), following this no difference was seen. Within low shear flow, a similar 

effect of clay was seen on the floc state as a function of time. However, this difference only 
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occurred for the first 50hrs of the experiment; post this, no difference was seen between the 

homo&hetero-floc conditions within low shear flow.  

Notably, the floc evolution for AgNM within low shear flow and clay was different (FC) 

from the floc evolution within the S and SC systems, where a greater floc size was present 

(6.8 times at t=100hrs) within low shear flow system—indicating that turbulence did 

influence the floc formation for the clay and AgNM hetero-aggregate systems. However, the 

floc evolution post 100hrs for the FC system was not highly different from the floc state 

within the F systems. Collectively, these findings support that a possible hetero-aggregation 

with clay within low shear flow only modified the floc state of the AgNM at the start of the 

runs for both SC and FC systems, as this influence was not sustained throughout the time 

course. This finding is significant as a hetero-aggregation with natural colloids (such as 

clays) was thought to modify the attachment and floc state of waterborne AgNM, as others 

have demonstrated within the quiescent conditions (Zhou, Abdel-Fattah & Keller, 2012). 

Our findings possibly support this notion; however, it was thought that clay only promoted 

heteroaggregation within quiescent conditions, over a longer timescale than within low shear 

flow scenarios, where the clay only modified the floc state at the start of the experiment.  

This maybe relates to how low shear flow forces interfere with AgNM and kaolinite clays 

hetero-aggregation and sedimentation behaviour, as previously discussed in more detail in a 

section above. A possible explanation is that turbulence accelerates the hetero-aggregate rate 

of AgNM and clay, such that the hetero-aggregation occurs only at the start of the experiment.  

Generally, it was thought that our findings fall in line with Liu, Hwang & Lenhart's (2015) 

& Wang et al. (2015) study, whose findings indicate that within low ionic strength quiescent 

systems, with close to neutral pH, AgNM and clay flocculation, is not too different to the 

single material systems (AgNM-AgNM), and can be treated as a single component system. 

However, it is important to note that at low pH and with higher ionic (IS) conditions, it has 

been demonstrated that conditions of AgNM+clay+IS will accelerate AgNM aggregation and 

sedimentation (Zhou, Abdel-Fattah & Keller, 2012). 

Nevertheless, these results may indicate that hetero-aggregations role in modifying AgNM 

waterborne floc evolution may be more active/relevant within quiescent conditions, where 

the interactions are governed by diffusion, than within low shear turbulent flow as such clays' 

influence is more apparent at the start of the run when the concentration of both materials is 

high. Although in truth, it is difficult to interpret these results conclusively. However, in 
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defence, it is important to construe that these binary systems of FC were mainly studied to 

develop an understanding of the effect on the concentration behaviour of waterborne AgNM 

as discussed above, however it was thought it would also be insightful to also study in the 

floc evolution, as a function of time, in parallel.   

The addition of Ha to the AgNM system (SHa and FHa) decreased the floc size within 

quiescent and low shear Flow conditions. However, the effect differed between quiescent 

and low shear flow systems, where low level disaggregation was present within quiescent 

conditions but not within low shear flow. The floc-size decreased over time within the SHa 

system, and within the FHa system, the floc-size increased as a function of time.  

Interestingly, the effect of humic acid on AgNM-floc state within the SHa system fell in line 

with Metreveli, Philippe & Schaumann's (2015) findings, whose work demonstrated Ha 

provided stabilisation and caused disaggregation over 20 days for waterborne AgNM, 

following the addition of 20-50 mg/L of Ha. However, disaggregation was seen within our 

study with a lower concentration of Ha (15 mg/L) within quiescent conditions. 

Nevertheless, this study did not present disaggregation within the FHa system, indicating 

that low shear flow altered the floc evolution when combined with Ha (relative to the 

quiescent treatment) and that the influence of low shear flow still caused larger flocculates 

to form as a function of time. However, the flocs are notably smaller relative to the flocs 

formed within F and FC systems. The influence of Ha was thought to possibly be attributed 

to an ion bridge effect between Ha and AgNM, which is thought to allow aggregates to 

become more compact under these conditions, with less size variation (Gunsolus et al., 2015; 

Delay et al., 2011; Pettibone et al., 2008). The Ha adsorption to the AgNM particles produces 

a tighter aggregate distribution, which also provides greater stability owing to Ha functional 

groups and steric stabilisation effects (Luo et al., 2018). Our findings were in line with Lv et 

al. (2018) study, which also reported that low shear flow on CeO2NM aggregation, within 

natural water, with high dissolved organic matter, was also thought to produce more compact 

aggregates.  

As the particles aged, the zetapotential within this work ranged from -20 to -4 mV. The zeta-

potential of the flocs, to an extent, showed similar behaviour between the contrasting 

conditions of a quiescent and turbulent system. The zeta potential decreased (i.e. reduced 

closer to zero) as a function of time. However, this trend was more rapid in turbulent 

conditions. It is important to note that these zeta potentials were measured from within the 
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water column, i.e. the non-settled AgNM, and therefore relate to the mix of non-settled homo 

and hetero-aggregates, as othered have done (Velzeboer et al., 2014). The zeta potential 

values and trends reported here were similar to values reported by Velzeboer et al. (2014), 

whose work reported zeta potentials for PVP coated AgNM. It is well known that capped and 

stabilised AgNM do not rely on zeta-potential as their primary stabilisation mechanism but 

steric hindrance. The zeta-potential time trend seen within this work possibly relates to 

several factors, such as changes in aggregation state affecting the electrical double layer, and 

possibly relates to the particles' surfaces being modified as a function of time (Lv et al., 

2018). As such, the surface of the particles becomes (as seen in the TEM analysis) more 

amorphous as it ages (sulphidation or chloridation) or coated with particle-particle bridging 

ligands such as Ca2+. Such changes may have contributed to alterations in the flocs 

electrophysical properties, as others have demonstrated can occur for TiO2NM (Luo et al., 

2018). It may also relate to a breakdown of the steric stabilisers as the particle ages, which 

would also modify the electrical double layer of the particles.  The effect of humic acid (Ha) 

on the zeta potential caused the particle to sustain a more negative zeta potential as a function 

of time. This finding is significant and has ramifications for the persistence of Ha modified 

AgNM within the water column, which would aid their propensity for greater range transport 

due to increased electrostatic repulsion and steric stabilisation provided. 

Interestingly, the difference in the effect of Ha on AgNM zeta potential between quiescent 

and turbulent conditions was limited, and it indicates that turbulence did not affect how the 

Ha modified the particles' surfaces. Generally, the effect of Ha on zeta potential is in line 

with other findings, where Ha has been shown to modify the zeta potential of AgNM (Bae et 

al., 2013). It is thought that Ha's ability to modify the surfaces of NM is due to its complex 

structure, which is abundant in negatively charged functional groups (Luo et al., 2018; 

Baalousha, Afshinnia & Guo, 2018). However, the critical contribution here is that the 

turbulent conditions limited how Ha modified the particle's zeta potential as a function of 

time.  

4.5 Chapter synthesis and conclusions  

The following conclusions can be made from the data presented in this chapter for the 

different conditions considered. It was apparent that the flow condition (F) within the annular 

flume is a significant factor influencing the flocculation of AgNM and can regulate the 

persistence and residence time of the aqueous phase AgNM.  Such turbulence increased the 
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removal and flocculation rates of the AgNM. The adsorption process within the test systems 

seems to be an important factor influencing the AgNM water column behaviour. It is possible 

that increasing the volume (litres) of the experiments may give more optimal ratios of the 

water body to the device's surface area, which would decrease the effects of the adsorption 

on the AgNM aqueous phase behaviour. In general, experiments with low shear flow showed 

a significant increase in the AgNM water column floc evolution rates and an accompanying 

decrease in zeta potential values compared to equivalent S systems, where floc size and zeta 

potential remained more stable during the experimental duration. In the presence of low shear 

flow, the addition of clay also appeared to increase sedimentation rates of AgNM, possibly 

via hetero-aggregation mechanisms; however, unexpectedly, in S systems, clay acted as a 

stabilising agent for AgNM suspensions, by possibly reducing the flocs attachment 

efficiency, via providing electrical repulsion and a greater energy barrier. However, the 

stabilising effects of clay on AgNM removal from the water column were not evident in flow 

conditions, possibly due to low shear flow, being a more dominant factor in AgNM water 

column removal, which overcomes the additional energy barrier and electro-stabilisation. 

Adsorption processes of AgNM are of high relevance, and minimisation/characterisation of 

these processes must be addressed when assessing AgNM/ENM fate and transport within 

flumes to interpret the results.  

In conclusion, the results presented in this chapter provide new insight and a better 

understanding of the role that turbulent flow, sediments, and multinary systems, have in the 

transport and environmental fate of AgNM. However, elucidating the exact role of test system 

effects on AgNM waterborne behaviour (e.g. system adsorption of NM) would require more 

substantive testing in future studies. These studies support that flume-based studies can 

enhance our understanding of NM fate, with further scope for studying NM interactions with 

different forms of natural organic matter (NOM), sediment compositions, and particle 

functionalisation. 
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5 Chapter 5: Testing AgNM fate; A simulated stream process-analysis 

(Part2); investigating – sediment and multinary systems 
5.1 Introduction 

The transport of dissolved and suspended solids (inc. colloids) within streams and rivers is 

of ecological, environmental, and geochemical importance (Areepitak & Ren, 2011; Jin et 

al., 2019). Natural colloids are classed as particles with a diameter <10µm (Gustafsson & 

Gschwend, 1997) and can take the form of iron oxides, minerals, clays, and microorganisms 

and viruses, which are commonly present in natural streams (Hartland et al., 2013; Gottselig 

et al., 2017; Xing et al., 2020). Natural colloids have high surface areas and are often found 

in relatively high concentrations within aquatic riverine systems. Natural colloids can 

interact with chemical substances arising from anthropogenic activity, including engineered 

nanomaterials, such as AgNM (Philippe & Schaumann, 2014; Xing et al., 2020). AgNM 

interaction with natural colloids has been shown to affect NM transport within aquatic 

systems by increasing flocculation and sedimentation mechanisms or through enhanced 

dispersion in the water column (Sotirelis & Chrysikopoulos, 2017; Constantino et al., 2017; 

Velzeboer et al., 2014).   

In order to bridge the gap on the environmental relevance of experimental systems for 

investigating pollutant mass transfer from the water column to the bed (streambed exchange), 

the use of annular flumes has been demonstrated to be an effective platform to validate and 

generate comprehensive fate descriptors (Packman, Brooks & Morgan, 2000; Boncagni et 

al., 2009; Kunkel & Radke, 2008). In particular, modifications to exchange processes that 

are caused by differences in abiotic conditions, flow velocities or sediments (and respective 

bedforms), and their influence on the behaviour of pollutants in the water column (such as 

in floc evolution), can be effectively tested to elucidate and advance understanding of the 

critical processes that control the fate of pollutants as a function of time (Boncagni et al., 

2009; Hitchman, Adam, 2011). However, there has been limited work on how near-bed flow-

sediment bed exchange processes may modulate NM's environmental fate and transport. In 

particular, the influence of flow hydraulics and bed sediments on NM aqueous phase 

behaviour using flume experiments has only been studied by a handful of researchers (for 

NM types of AuNM, TiO2NM and CeO2NM – for a detailed review, see the sediments 

interaction section 1.3.7, in the general introduction). However, the near-bed flow-to-bed 
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surface exchange of AgNM and its concomitant dissolved fraction has not been investigated 

using an experimental flume testing methodology.  Nor has the additional influence of 

inorganic and organic matter on surface-bed exchange been defined for AgNM and its 

dissolved fraction. As such, conducting carefully designed flume experiments may help 

elucidate the role of non-cohesive sediments on the fate and transport of AgNM.  

In addition, in the field of nanomaterial environmental risk assessment, many studies have 

addressed the influence of individual factors on AgNM aqueous phase behaviour, such as 

ionic strength, pH, individual anions and cations, among others, within a laboratory setting 

(Gunsolus et al., 2015; Westerhoff & Nowack, 2013). However, in comparison, the number 

of studies assessing NM environmental fate, transport and behaviour in the water column 

within multifactor systems (systems with more than two factors  such as HA+Clay+Flow) is 

considerably lower (Klaine et al., 2008; Rearick et al., 2018; Shevlin, O'Brien & Cummins, 

2018). There is still a great need for more detailed information, incorporating comprehensive 

testing approaches to test the co-physical effects of abiotic factors (i.e., their combined 

influences on AgNM waterborne fate, physicochemistry and behaviour). This could be 

achieved by generating environmentally-relevant flow and sedimentary conditions more 

representative of natural aquatic systems (Quik et al., 2014; Velzeboer et al., 2014; Markus 

et al., 2015; Sani-Kast et al., 2015; Shevlin, O'Brien & Cummins, 2018).   

5.1.1 Chapter aims, objectives and hypotheses 

This chapter aimed to assess the influence of bed sediments on the overall mass exchange of 

waterborne AgNM from the near-bed flow region to the surficial bed layers. These studies 

were based on the fundamental hypothesis that hydraulic interactions (relative to quiescent 

conditions) with a sediment bed would change the elimination behaviour of the aqueous 

phase AgNM. The experiments were designed and conducted using non-cohesive sediments 

(i.e., fine sand, for more information on the sand, see Materials and Chemicals section 2.2.1 

in the general Method Chapter 2) to test the effects of the presence of bed sediments with 

simple bedforms (i.e. ripples and sand bars) on the sedimentation rate of AgNM (i.e. through 

the removal of flocs formed within the water column). The conjecture here was that the 

presence of a sediment bed with bedforms would generate turbulent boundary layer effects, 

such as flow separation and burst-sweep motions, that may lead to trapping of flocs within 

the near-bed flow regions or promote enhanced deposition (Velzeboer et al., 2014). These 

flow-sediment-bedform interactions could lead to colloid transport to the bed subsurface and 
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hyporheic exchange (i.e. through bed-form induced advective pumping (Packam, 2004)). 

However, it was not the objective of the study to investigate these near-bed turbulent flow 

processes in detail, nor to define the shape and size influence of bedforms on these flow 

properties, via extensive measurements. The experimental runs were planned to gain insight 

into the effect of the presence of a non-cohesive sediment bed layer on AgNM aqueous phase 

flocculation and sedimentation behaviour within low shear flow and then consider the 

behaviour of AgNM within two-factor systems (e.g., AgNM+Ha, AgNM+clay) to assess how 

AgNM behaviour may differ in a multifactor system (AgNM+clay+Ha+Sediment). This 

work considered homo-aggregate and hetero-aggregate scenarios to produce basic modelling 

descriptors.  

In summary, this study had three main aims to test: 1. the effects of non-cohesive sediment 

and associated bedforms on AgNM water column-bed surface exchange; 2. how readily 

sediment-attenuated AgNM are re-dispersed; and 3. the combined effects of the selected 

abiotic factors (i.e., turbulent flow, inorganic and organic colloids, and the presence of non-

cohesive sediments) on AgNM water column-bed exchange.   

Specifically, the research questions in this chapter were: 

➢ What influence do non-cohesive sediments have on the waterborne behaviour of 

aqueous phase silver nanomaterials? 

 

➢ How easily do flocculated and sedimented silver nanomaterials re-suspend from 

sediment beds under high flow velocity conditions? 

 

➢ Are the flocculation and sedimentation behaviour of aqueous phase AgNM 

differentially influenced in a multifactor system relative to single and binary systems? 

 

The following hypotheses are also proposed for the current study: 

3. The presence of non-cohesive sediment will increase the removal of aqueous phase 

silver nanomaterials.  

 

Rationale: A non-cohesive sediment bed will generate bedforms when exposed to turbulent 

shear flow, with the increased surface area and, hence, surficial pore spaces potentially 
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entrapping NM particles and flocculates from the water column, therefore increasing AgNM 

removal rates from the near-bed flow region.  

4. A re-suspension event under high flow conditions will result in the water column 

redistribution of sedimented AgNM flocs. 

Rationale: The sedimented NM flocculates could be re-suspended and dispersed in the water 

column by entrainment from the mobilised stream bed under high flow conditions. In natural 

streams and rivers, this happens when a flood event passes down the river reach, resulting in 

increased water volume fluxes (i.e. discharge rates) and corresponding flow velocities that 

can entrain bed sediments and result in bedload sediment transport.  

5. The combined influence of multiple abiotic factors (AgNM+clay+Ha+Sediment) will 

drive the fate of aqueous phase AgNM differentially compared to simpler two factor systems 

(e.g. AgNM+Ha, AgNM+clay). 

Rationale:   The conjecture here was that the combined influences of the different abiotic 

factors would result in differential AgNM time dependant behaviour relative to the more 

straightforward approaches.  Sedimentation behaviour and floc evaluation would be 

significantly different within the multifactor system relative to more straightforward single 

or two factor systems. 

5.2 Methods 

5.2.1 Materials and Chemicals 

For a description of the materials and chemicals used within this chapter, see Methods 

chapter, section 2.1.1 Materials and Chemicals. 

5.2.2 Stock preparation 

For a description of how the stocks were prepared for this chapter, see Methods chapter, 

section 2.1.2 Stock Preparations.  

5.2.3 Non-cohesive sediment experiments 

For these experiments, the annular flume (for a detailed description of the annular flume 

design and composition, please see the General Methods section 2.3)  was filled with fine 

sand to a depth of 5 cm (approx. 30 kg of sand in total). Prior to its placement in the flume, 

the sand was saturated in 50 litres of distilled water for 10 minutes to remove any electrolytes 

attached to the particle surfaces, with the rinse then disposed of. This process was repeated 

ten times to ensure that any soluble material was entirely removed from the sand before being 
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dried at room temperature for use in the experiments. Therefore, this washing procedure 

minimised any additional changes to the ionic strength between the different experimental 

runs. The run conditions were then set up as described above (for more info. see General 

Methods section 2.3.1 for dosing information), with water samples collected at 0, 4, 8, 24, 

48 and 72 hrs. After the last sample was taken, a re-suspension event was simulated by 

increasing the flow velocity in the annular flume to 0.3 m/s for 2-5 min. During this event, 

approximately the top 2 cm of the sand bed layer, assumed to contain the majority of settled 

and deposited AgNM flocs, was entrained into the flowing water column. Following this 

entrainment event, the flow velocity in the channel was returned to 0.12 m/s allowing the 

entrained sediments to resettle and deposit, with water samples then again collected at 0, 4, 

8 and 24 hrs after the end of the re-suspension event. A summary of the different sediment-

based flume runs shown in Table 5.1. 

 

Table 5.1 Summary of all quiescent and low shear flow systems tested in the annular flume 
SYSTEM 
TYPE 

RUN TREATMENT SEDIMENT ABB. REPLICATION TIME 
(DAYS) 

BINARY Flow (0.12 m/s) non-cohesive FS 1 4 
TERNARY Flow+clay (0.12 m/s) non-cohesive FCS 1 4 
TERNARY Flow+Ha (0.12 m/s) non-cohesive FHaS 1 4 
MULTINARY Flow+clay+Ha (0.12 m/s) non-cohesive FCHaS 1 21 

5.2.4  Water sample processing 

For a description of the water sampling procedures used within the small-scale flume 

experiments, see Methods Chapter, section 2.1.4 Water Sampling Procedure.  

5.2.5 Water sample silver analysis 

For a description of the quantitation of the total system Ag and AgNM dissolved Ag 

concentration used within small-scale experiments, please see Methods Chapter section 2.1.6 

ICP-MS analysis. 

5.2.6 Physicochemistry characterization 

For a description of how the Physicochemistry was measured from the water sample taken 

from the small-scale flume experiments, please see Methods Chapter section 2.1.5 

Physiochemistry Characterization.  

5.2.7 Curve fitting and statistics 

For a description of how the statistics were conducted and what models were fitted to the 

data, please see Methods Chapter sections 2.1.8 and 2.2.7. 
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5.3 Results 

5.3.1 The effect of a non-cohesive sediment bed on the fate of waterborne AgNM 

Findings for the influence of a non-cohesive sediment on AgNM settling rates generally 

indicate an increase in sedimentation. Specifically, the overall effect of a non-cohesive 

sediment bed on the time-dependant behaviour of AgNM in the water column was 

significantly different between the systems of FlowAgNM (F), FlowAgNM+Sediment (FS), 

FlowAgNM+Clay+Sediment (FCS), FlowAgNM+Ha (FHa) and FlowAgNM+Ha+Sediment 

(FHaS) (Table 5.2; Figure 5.2). Findings for AgNM waterborne settling rates  indicated that 

in the FS systems, the waterborne AgNM were removed from the water column at a much 

faster rate (Vs = 0.523 m day-1; for model calculations please see section 2.3.6, in the general 

methods Chapter 2; Figure 5.1B – blue line with circles) than corresponding rates observed 

in the F system (Vs = 0.115 m day-1; Figure 5.1A -  blue line and circles). This demonstrated 

that the waterborne AgNM concentration decreased more rapidly in the FS system, reducing 

from 900 to 142µg/L during the first 24 hrs (i.e., an 85% decrease) (see Table 5.3 for AgNM 

behaviour coefficients). However, the residual AgNM concentration was notably higher in 

the FS systems relative to the F system. Similarly, the time-dependant behaviour of the FCS 

system also indicated a faster AgNM removal rate from the water column than the FC system, 

such that AgNM concentrations decreased from 850 µg/L to 92.4 µg/L during the first 24hrs 

(i.e., a decrease of 89%), with the AgNM waterborne concentration remaining largely constant 

for the rest of the run duration.  

In contrast, the direct comparison of the FHa (Figure 5.1A – green line with triangles) and 

FHaS (Figure 5.1B – light green line with triangles) systems indicated that despite the 

response looking visually different Figure 5.1, the overall effect of the presence of a non-

cohesive sediment bed, according to a statistical contrast of the models, was not a significant 

effect on AgNM water column concentration behaviour (Table 5.2). However, the waterborne 

behaviour of AgNM in the FS system showed a significantly different time-dependent 

relationship relative to the FHaS system, where the waterborne concentration was more 

persistent in the water column, such that the initial concentration of 820 µg/L only decreased 

to 684µg/L over the runs 10-day time period (Figure 5.1B –  light green line and triangles).  
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Figure 5.1 The influence of non-cohesive sediment on the time-dependent waterborne 

persistence of AgNM (dosed with 1 ppm Ag NM at t = 0) within the annular flume for a mean 

flow velocity of 0.12 m/s. The flume runs were conducted under two major conditions: A) 

Low shear flow systems; and B) Low shear flow systems with a non-cohesive bed sediment 

layer. Data reported as means, n=3 for non-sediment systems and n= 1 for sediment systems. 

Treatments are abbreviated in the text as:  FlowAgNM (F), FlowAgNM+Sediment (FS), 

FlowAgNM+Clay+Sediment (FCS) and FlowAgNM+Ha+Sediment (FHaS). 

 

During a simulated re-suspension event (see section 5.3.1 for method details), which took 

place after 72hrs, different waterborne AgNM concentration responses were observed 

between the different abiotic run conditions. For example, a slight increase in waterborne 

AgNM concentration was observed within the FS system following the re-suspension event 

(Figure 5.1B – light blue lines with circles). There was a slight decrease in the waterborne 

concentration of AgNM in the FCS system (Figure 5.1B – light red line with squares). Within 

the FHaS system, a resuspension of AgNM was more evident, with the water AgNM 

concentration increasing by 100µg/L immediately following an increase in flow velocity. 

The AgNM concentration decreased to below the pre-resuspension waterborne AgNM 

concentration within 48 hrs (Figure 5.1B – light green line with triangles).  
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Table 5.2 Assessment of the effects of non-cohesive sediment (between quiescent and low 

shear flow systems) on AgNM water column sedimentation and dissolved fraction behaviour. 

Results are from a categorical linear regression model (CLRM), which tested the influence 

of abiotic modifiers of humic acid (Ha) and kaolinite clay (clay) suspensions. 
System Intercept (P) Time (slope; 

P) 
Process 

(AgNM) 

FlowAgNM vs FlowAgNM+Sediment1 <0.05*** <0.05*** 

Se
d

im
en

ta
ti

o
n

 
 

FlowAgNM vs FlowAgNM+Clay+Sediment1 <0.05*** <0.05*** 

FlowAgNM vs FlowAgNM+Ha+Sediment1 <0.05** <0.05* 

FlowAgNM+clay vs FlowAgNM+Sediment+clay2 <0.05* <0.05* 

FlowAgNM+Sediment vs FlowAgNM+Sediment+clay3 <0.05*** <0.05*** 

FlowAgNM+Ha vs FlowAgNM+Sediment+Ha4 >0.05 >0.05 

FlowAgNM+Sediment vs FlowAgNM+Sediment+Ha3 <0.05*** <0.05*** 

FlowAgNM vs FlowAgNM+Sediment5 <0.05* <0.05* 

D
is

so
lv

e
d

 f
ra

ct
io

n
 

 

FlowAgNM vs FlowAgNM+Clay+Sediment5 >0.05 >0.05 

FlowAgNM vs FlowAgNM+Ha+Sediment5 <0.05* <0.05* 

FlowAgNM+clay vs FlowAgNM+Sediment+clay6 >0.05 >0.05 

FlowAgNM+Sediment vs FlowAgNM+Sediment+clay7 <0.05*** <0.05*** 

FlowAgNM+Ha vs FlowAgNM+Sediment+Ha8 >0.05 >0.05 

FlowAgNM+Sediment vs FlowAgNM+Sediment+Ha7 <0.05*** <0.05*** 

*Indicates significantly different from zero with ns= >0.05, *<0.05, **<0.01,***<0.001 1 =CLRM model1: F 

= reference level; model formula = concentration ~ exp(-k*time)*treatment; model parameters = R2=0.81, 

RSE=0.47, DF=102; significance reported as: P=<0.05***; 2 = CLRM model2: FC = reference level; model3: 

FS = reference level; model4: FHa = reference level; model5: F = reference level; model formula = 

concentration ~ exp(-k*time)*treatment; model parameters = R2=0.72, RSE=0.66, DF=72; significance 

reported as: P=<0.05***); 6= CLRM model6: FC = reference level; model7: FS = reference level; model8: 

FHa = reference level. 

 

All tested systems with non-cohesive sediments showed time-dependent relationships for the 

AgNM concomitant dissolved fraction (Table 6.2) where, except for the FHaS system, AgNM 

dissolved fractions showed a moderate decrease in Ag concentration as a function of time 

over the testing period (Figure 5.2). The time-dependent behaviour of AgNM concomitant 

dissolved fraction within the FS system (Figure 5.2B – light blue line with circles) had a 

significantly more significant initial reduction in concentration [i.e. reducing non-linearly 

from an initial concentration of 50.5 µg/l (at t=0 hrs) to 4 µg/l (at t=72 hrs), relative to the F 

system (Figure 5.2A – blue line with circles)]. Results for the FCS system (Figure 5.2B – 

light red line with squares) indicated that non-cohesive sediment, relative to the FC system 

(Figure 5.2A – red line with squares), did not modify the behaviour of AgNM dissolved 

fraction in any obvious way.  The dissolved Ag concentrations in the FCS system went from 

26 µg/l (at t=0) to 6 µg/L (at t=72 hrs) during the run. The behaviour of the dissolved fraction 

for the FHaS system (Figure 5.2B – light green line with triangles), relative to the FHa 
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system (Figure 5.2A – green line with triangles), also did not indicate any significantly 

different behaviour. However, the FHaS system AgNM dissolved fraction was significantly 

different to the FS system, and the concentration was more stable within the water column 

(Figure 5.2B – FHaS - light green line with triangles vs FS- light blue line with circles).  

Finally, results from the re-suspension events for the FS and FCS systems indicated that no 

release of the AgNM concomitant dissolved fraction occurred and no significant influence 

from the different abiotic factors (i.e. sediment and clay) was apparent. However, in the 48 

hours after the resuspension event, all systems showed a decrease in the concentration of the 

dissolved AgNM fraction (typically by about 5-10µg/l). 

   

 

Figure 5.2 The influence of non-cohesive sediment on AgNM aqueous phase concomitant 

dissolved fraction, as a function of time within a simulated stream system (Annular flume; 

0.12 m/sec)), dosed with 1 ppm at t=0, with the flume runs being conducted under two major 

conditions of; A) Low shear flow systems; and B) Low shear flow systems with non-cohesive 

sediment. Data reported as means, n=3 for non-sediment systems and n= 1 for sediment 

systems. 
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Table 5.3 The decay-relationship of AgNM water column concentration behaviour within 

turbulent flow; without non-cohesive sediments. The table presents nonlinear least-squares 

estimates of the sedimentation rate constants (Vsed d), residual concentrations (Crc) and the 

starting concentrations (C0). Results were generated using a least-squares model within R 

and are reported with standard error and significance. 
Best-fit values Flow+Sediment Flow+Clay+Sed. Flow+Ha+Sed 

C0 900.9±49.1 670.3±71.69 818.2±15 

Crc 142.5±24.55 96.91±51.77 668.6±21.33 

k (d) 6.96±2.516*** 9.308±0.225*** 0.159±0.022*** 

Vs (m/d) 0.52331±2.516*** 0.69979±0.225*** 0.00075±0.004 

2C10/C0 0.16 0.14 0.81 

d.f. 16 15 15 

R square 0.9846 0.9165 0.99 

Sum of Squares 7234 38432 177.5 

*Indicates significantly different from zero with ns= >0.05, *<0.05, **<0.01,***<0.001 

 

Within the tested sediment systems, the temporal floc evolution was relatively similar 

between the systems. Where in general, the floc size grew slowly as a function of time. 

Specifically, the findings showed that relative to the F system (Figure 5.3A - blue line with 

circles), the temporal development of floc-sizes within the FS systems (Table 5.4; Figure 

5.3B - light blue line with circles) was significantly different. For the FS system, the aqueous 

phase floc-size was initially larger (i.e. 360±171nm for FS compared to 88±53nm for F at 

t=0 hrs) and therefore did not change as much as the F system throughout the run.  

By contrast, the addition of sediment (FCS system) to the FC system did not show a 

significant difference in floc-evolution between the two systems (Figure 5.3B - light red line 

with squares), which had a similar initial floc-size (359.86±59nm for FCS compared 

to356.75nm for FC  at t=0 hrs). Their relationship with time was similar (820±342 vs 559±66 

nm at t=72hrs, respectively). In addendum, a contrast of the FCS system with the FS system 

also did not show a significant difference in the flocs behaviour between the systems (see 

Table 5.4 – for a table of significance). Such results showed that the initial floc-size (t=0hrs) 

was similar in size between the systems (FCS = 331.27±265nm, and FS =360±59nm, at 

t=0hrs). The floc-sizes time relationship for the FCS was also not modified relative to the FS 

system, where the floc size increased at the same rate between systems (559.166±66nm vs 

1582.93±420nm, at t=72hrs, respectively). 

Adding non-cohesive sediment to the FHa systems (i.e. FHaS system) also affected AgNM 

aqueous phase floc evolution (see Table 5.4). Both systems had a different starting floc-size, 
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where the floc-size was smaller for the sediment system (FHa = 128±32 vs FHaS = 51±8nm, 

at t=0). The relationship with time was also altered, where larger flocs were formed as a 

function of time within the sediment system (201±152 vs 313±33, at t=72hrs, respectively; 

Figure 5.3B - light green line with triangles vs Figure 5.3A - green line with triangles).  

 

Figure 5.3 The influence of non-cohesive sediment on AgNM aqueous phase aggregation 

state (Z-ave), as a function of time within simulated stream systems (Annular flume; 0.12 

m/sec)), dosed with 1 ppm at t=0, with the flume runs being conducted under two major 

conditions of; A) Low shear flow systems; and B) Low shear flow systems with non-cohesive 

sediment. Data reported as means, n=3 for non-sediment systems and n= 1 for sediment 

systems. 

 

The time-dependant evolution of the sediment system's zeta potential was significantly 

different from the non-sediment system runs (Table 5.4; Figure 5.4). As a general 

description, at the start of the experiment, the zeta potential was similar between condition 

types (quiescent and low shear flow). However, their relationship with time differed between 

the conditions, where the sediment systems' zeta potential did not reduce as a function of 

time, unlike for the non-sediment flow system runs. Specifically, at the start of the 

experiment, a contrast of the F and FS systems (without and with a sediment bed) showed 

similar zeta potentials (F = -14±4mV vs FS = -18±3mV, at t=0hrs; Figure 5.4). Nevertheless, 

by the end of the runs, the zeta potential within the sediment systems run had not decreased 

(-15±1 vs -17±3, at t=72hrs, respectively).  A statistical contrast of the FC systems run with 

the FCS system showed a significantly different evolution of the zeta-potential. The zeta 

potential at the onset of the time course was again initially similar (FC = -19±3mV vs FCS 

= -18±1 mV, at t=0hrs). However, as the time progressed, the FCS systems zeta potential 
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did not change, whereas for the FC system, the zeta potential significantly reduced in a 

nonlinear trend with time (-7±4&-11±6 vs -14±1&-16±1 mV, at t=48&72hrs, respectively;  

Figure 5.4A – Red line with diamonds vs Figure 5.4B – green line with circles).  

 

Figure 5.4 The influence of non-cohesive sediment on AgNM aqueous phase zeta potential 

(mV), as a function of time within simulated stream systems (Annular flume; 0.12 m/sec), 

dosed with 1 ppm at t=0, with the flume runs being conducted under two major conditions 

of; A) Low shear flow systems; and B) Low shear flow systems with non-cohesive sediment. 

Data reported as means, n=3 for non-sediment systems and n= 1 for sediment systems. 

 

The addition of non-cohesive sediment to the FHa system (FHaS) did not significantly alter 

the AgNM aqueous phase zeta potential (see Table5.4 – for a table of significance). The 
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dependent relationship, was also similar between the systems (-15±2&-17±2 vs -18±3&-
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Table 5.4 Results of categorical linear regression (CLR)* analysis of AgNM water column 

flocculation and zeta potential behaviour, assessing the influence of non-cohesive sediment 

within quiescent and low shear flow systems; and the effect of abiotic modifiers of humic 

acid (Ha) and kaolinite clay (clay). 

System Intercept 
(P) 

Time (slope; 
P) 

Process 
(AgNM) 

FlowAgNM vs FlowAgNM+Sediment1 <0.05*** <0.05*** 

Fl
o

c-
si

ze
 (

Z-
av

e)
 

 

FlowAgNM vs FlowAgNM+Clay+Sediment1 <0.05*** <0.05*** 
FlowAgNM vs FlowAgNM+Ha+Sediment1 >0.05 <0.05** 
FlowAgNM+clay vs FlowAgNM+Sediment+clay2 >0.05 >0.05 
FlowAgNM+Sediment vs 
FlowAgNM+Sediment+clay3 

>0.05 >0.05 

FlowAgNM+Ha vs FlowAgNM+Sediment+Ha4 <0.05** <0.05* 
FlowAgNM+Sediment vs 
FlowAgNM+Sediment+Ha3 

<0.05*** <0.05* 

FlowAgNM vs FlowAgNM+Sediment5 <0.05*** <0.05* 

Ze
ta

 p
o

te
n

ti
al

 (
m

V
) 

 

FlowAgNM vs FlowAgNM+Clay+Sediment5 <0.05*** >0.05 
FlowAgNM vs FlowAgNM+Ha+Sediment5 <0.05*** <0.05** 
FlowAgNM+clay vs FlowAgNM+Sediment+clay6 <0.05*** <0.05** 
FlowAgNM+Sediment vs 
FlowAgNM+Sediment+clay7 

>0.05 >0.05 

FlowAgNM+Ha vs FlowAgNM+Sediment+Ha8 >0.05 >0.05 
FlowAgNM+Sediment vs 
FlowAgNM+Sediment+Ha7 

>0.05 >0.05 

*Indicates significantly different from zero with ns= >0.05, *<0.05, **<0.01,***<0.001 1 =CLR model1: F = 

reference level; model = Z-ave ~ poly(time, 2)*treatment; model parameters =  R2=0.67, RSE=0.12, DF=237; 

significance reported as: P=<0.05***; 2 = CLR model2: FC = reference level;  3 = CLR model3: FS = reference 

level; 4= CLR model4: FHa = reference level; 5=CLR model5: F = reference level; model = ZP ~ poly(time, 

2)*treatment. 6= CLR model6: FC = reference level; 7= CLRM model7: FS = reference level; model = ZP ~ 

poly(time, 2)*treatment; 8 = CLRM model8: FHa = reference level. 

 

5.3.2 The fate of waterborne AgNM within a multinary system 

The aqueous phase behaviour of AgNM within a FlowAgNM+humic acid+clay+sediment 

(FHaCS) system showed a time-dependant relationship (Table 5.5), where an overall 

decrease in aqueous phase AgNM concentration was observed over the experimental run 

(Figure 5.5A). Specifically, the AgNM aqueous phase concentration in the FHaCS system 

reduced in a linear trend from 817.20 to 318.96 µg/l (at t=0.00 and t=456 hrs, respectively).  

The multinary FHaS system AgNM water column behaviour was not significantly different 

to the FHaCS system (Table 5.5). The addition of clay to the FHaS system did not further 
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modify AgNM water column sedimentation behaviour. The resuspension event resulted in a 

significant increase in aqueous phase Ag, where the concentration increased from 318 to 

560µg/l; the concentration then decreased again to 288µg/l over two days. 

 

Figure 5.5 The combined influence of multiple abiotic factors (Low shear flow + kaolinite 

clay + Humic acid + non-cohesive sediment) on AgNM aqueous phase behaviour as a 

function of time within a simulated stream system (Annular flume; 0.12 m/sec)), dosed with 

1 ppm at t=0, with graphs being; A) The total concentration of Ag in the water column 

(AgNM+diss); and B) AgNM concentration of concomitant dissolved Ag. Data reported as 

absolute values, with n=1. 

 

The AgNM concomitant dissolved fraction behaviour within the multinary FHaCS system 

run exhibited an overall decrease in the aqueous phase concentration during the experimental 

run (Figure 5.5B). In particular, the concentration reduced from 81.42 µg/l (at t= 0 hrs) to 

29.364 µg/l (at t=456hrs).  The addition of clay to the FHaS system (i.e. the FHaCS run) 

modified the water column time-dependent behaviour of the AgNM dissolved fraction (Table 

5.5), and the concentration was more persistent within the water column (35µg/L for FHaCS 

compared to 25µg/l for FHaS at t=72hrs). The re-suspension event was found to have no 

modification on the time-relationship of the dissolved silver (P=>0.05) within the FHaCS 

system.  
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Figure 5.6 The summative influence of multiple abiotic factors (Low shear flow + kaolinite 

clay + Humic acid + non-cohesive sediment) on AgNM physicochemistry, as a function of 

time within a simulated stream system (Annular flume; 0.12 m/sec)), dosed with 1 ppm at 

t=0, with graphs being; A) AgNM floc evolution; and B) AgNM zeta-potential evolution. Data 

reported as means of repeated measurements, n=4-6. 

 

For the floc evolution in the FHaCS system, a time-dependant HETEF size relationship was 

present (Table 5.5). There was a significant modification to the floc evolution relative to the 

FHaS system. To describe the floc evolution within the FHaCS system occurred within two 

phases. The floc size decreased over the first 100hrs (400-190nm; 0-72hrs), and then 

gradually increased again for the remaining time course (190-300nm; 72-460hrs; Figure 

5.6A). In contrast, within the FHaS system, floc size increased 3-fold during the time course 

(100-300nm; 0-72hrs; see section). For the FHaCS system, the re-suspension event had no 

significant effect on the time-relationship of HETEF size (Figure 5.6A). 

The time-dependent evolution of AgNM zeta potential (mV) within the multinary system 

(FHaCS) showed a two-phase response (Table 5.5; Figure 5.6B – light green line and 

circles). The zeta potential started at -22±10 (at t=0hrs), which then decreased over three 

days to a zeta potential of -14±6 (at t = 72 hrs), which then proceeded to increase again to -

22±5 (at t = 460hrs). In addition, the re-suspension had no significant effect on the time-

relationship of AgNM aqueous phase zeta potential within the FHaSC system (Figure 5.6B – 

dark green line and circles). 
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Table 5.5 Results of categorical linear regression (CLR)* analysis of AgNM water column 

behaviour, within a multinary system, of non-cohesive sediment, low shear flow, humic acid 

(Ha) and kaolinite clay (clay). 
System & modifier Intercept (P-value) Time (slope; P - value) Process  

FS vs FHaS1 <0.05*** <0.05*** Sedimentation  
FS vs  FHaCS1 <0.05*** <0.05*** 

FHaS vs FHaCS2 >0.05 >0.05 

FS vs FHaS3 <0.05*** <0.05*** Dissolved 
fraction  FS vs  FHaCS3 <0.05*** <0.05** 

FHaS vs FHaCS4 >0.05 <0.05* 

FS vs FHaS5 <0.05*** <0.05* Floc-size  
FS vs  FHaCS5 <0.05*** <0.05** 

FHaS vs FHaCS6 <0.05* <0.05** 

FS vs FHaS7 >0.05 >0.05 Zeta potential  
FS vs  FHaCS17 <0.05** <0.05** 

FS vs  FHaCS27 >0.05 >0.05 

FHaS vs FHaCS18 <0.05* <0.05* 

FHaS vs FHaCS28 >0.05 >0.05 

*Indicates significantly different from zero with ns= >0.05, *<0.05, **<0.01,***<0.001 1=CLR model1: FS = 

reference level; model = conc ~ exp(-K*time)*treatment; model parameters =  R2=0.67, RSE=0.12, DF=237; 

significance reported as: P=<0.05***; 2 = CLR model2: FHaS = reference level;  3 = CLR model3: FS = 

reference level; 4= CLR model4: FHaS = reference level; 5=CLR model5: FS = reference level; model = ZP 

~ poly(time, 2)*treatment. 6= CLR model6: FHaS = reference level; 7= CLRM model7: FS = reference level; 

model = ZP ~ poly(time, 2)*treatment; 8 = CLRM model8: FHSA = reference level. 

 

5.4 Discussion 

5.4.1 The effect of a non-cohesive bed on the fate of waterborne AgNM 

The presence of non-cohesive sediment within the annular flume increased the exchange of 

AgNM from the water column to the sediment bed (i.e., the higher exchange rate). However, 

the residual AgNM concentrations formed within the sediment system were slightly higher 

(by around 50-100µg/l).  This is an important finding as it highlights that sediment 

interactions are critical processes in regulating the transport of AgNM in natural river systems 

(Areepitak & Ren, 2011). Findings generally supported that the presence of sediment 

increased the attenuation of waterborne AgNM, and the findings from the study support the 

hypothesis that the sediment bed layer acts as a sink and 'that sediments will accumulate 

AgNM' (Klaine et al., 2008; Quik, 2013; Areepitak & Ren, 2011). This study highlighted that 

non-cohesive sediment plays a critical role in AgNM propensity to persist within the water 

column, where an increase in the residual fraction was seen, which also has significant 

implications for the transport of waterborne AgNM within riverine systems.  This is essential 
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information for modelling AgNM fate within natural water bodies concerning critical factors 

and parameters that need to be incorporated into numerical contaminant transport and fate 

models. The mechanisms behind the findings here (although not comprehensively studied or 

mathematically addressed within this work) were thought to be attributed to physical 

processes such as advective pumping or hyporheic exchange and sediment filtration (i.e. 

processes that transport particles into and trap particles within the bed sediment layer), which 

are caused by streambed topography and composition  (e.g. grain size and hence pore size) 

(Areepitak & Ren, 2011; Packman, Brooks & Morgan, 2000; Boncagni et al., 2009).   

The exponential decay behaviour exhibited by the AgNM within the water column as a 

function of time for turbulent flows over a sediment bed layer was similar to the near-bed 

flow-streambed exchange relationships for titanium dioxide NM (TiO2) reported by 

Boncagni et al. (2009). This study found that waterborne TiO2 within turbulent flow decayed 

to a residual concentration over a similar timescale (0-150hrs) to what was found in this 

study. The current findings that a non-cohesive sediment bed layer increased the overall 

AgNM mass transfer from the water column to the streambed were more conclusive than in 

previous work by Hitchman and Adam (2011), where the trends for an equivalent AuNM 

mass transfer were found to be more erratic as a function of time. This was possibly due to 

(1) differences in the particle behaviour between gold and silver NM and (2) the different 

time durations over which the studies were conducted.  Specifically, the experiments of 

Hitchman and Adam (2011) were conducted over a much shorter timescale (i.e. <2hrs) than 

the current studies that were undertaken over three days, which better reflects more realistic 

sedimentation times for NM within natural aquatic systems (Boncagni et al., 2009; Quik, 

2013; Velzeboer, 2014).  As such, the shorter timescales of Hitchman and Adam's (2011) 

work were possibly too short for capturing the overall trends of AuNM behaviour in the 

water column. The findings here support the hypothesis that sediment-bed exchange 

processes will likely reduce the long-range transport (both temporal and spatial)of more 

stable AgNM. This finding was not in line with the assertion by Hitchman and Adam (2011) 

that more persistent (i.e. stabilised) NM have a greater propensity for long-range transport. 

This did not appear to be the case in the current study, as the exchange between turbulent 

flow and the sediment bed layer seemed to mitigate this factor.  

These current results support the idea that bed sediments' influence on AgNM 

attenuation/capture rates could be utilised in river remediation projects, where its effect could 
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be used in conjunction with controlled turbulence flow conditions (e.g., streamflow velocity). 

A similar remediation approach has been demonstrated to increase the water-bed exchange 

of pharmaceuticals by Kunkel & Radke (2008), and a similar approach may be adopted for 

AgNM such that with further elucidation through experimentation, bed sediments and flow 

turbulence could be utilised within remediation programs to trap and remove waterborne 

NM.  

The addition of a sediment bed to the F system indicated a significant reduction in the AgNM 

water column dissolved fraction. However, in contrast, AgNM waterborne concomitant 

dissolved fractions within the FC and FHa systems were not influenced or modified by a 

sediment bed relative to identical flow conditions without sediments. The conjecture here 

was that within the racetrack flume runs with non-cohesive sediments present, AgNM 

concomitant dissolved fraction (thought to consist of silver oxides and halides) would 

interact with sediments surface area and adsorb onto the sand granules. If this were the case, 

it would have been expected to see a reduction in water column dissolved silver (Ag) when 

bed sediment was present. As this was not observed, the expected adsorption was not 

occurring within the sediment-water interface (i.e. no cation exchange).  This finding has 

ramifications for the toxicity of AgNM concomitant dissolved fraction, in that the presence 

of a sediment bed interface may not offer further protection or mitigation of the dissolved 

fraction. This finding is interesting as other work, such as Clarke (2016), demonstrated that 

dissolved forms of silver (supplied as AgNO3) indicated high adsorption levels to sand 

particles within sand column experiments. The lack of adsorption observed in the current 

study may be due to the dissolved fraction already exhibiting a high degree of water column 

to bed surface exchange within flow conditions. The addition of the increased surface area 

associated with the non-cohesive sediment bed layer may be insufficient to increase this 

removal rate, as the rate of removal is already high at the beginning of the experiment and 

may become saturated as the run progresses.  

The AgNM water column physicochemistry was also influenced by the presence of the bed 

sediment, resulting in alterations to the AgNM AA-floc size. Specifically, a decrease in the 

AA-floc size and zeta-potential were observed within the bed sediment run, relative to the 

scenario without a bed sediment layer. While these results for the non-cohesive bed sediment 

effects on AgNM waterborne physicochemistry were interesting, they cannot be reliable or 

quickly interpreted, as it cannot be guaranteed that any colloids present within the sand 
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mixture used have not been re-dispersed into the water column (Ellis et al., 2018a). The 

water column floc evolution results possibly indicate that floc filtration and capture by bed 

sediments is occurring within the water column, as was addressed in the modelling study by 

Areepitak & Ren (2011). This study explored how the rapid removal of the larger flocs can 

occur via filtration interactions with sediments. Our current findings supported this removal 

mechanism for larger flocs, as the measured floc sizes remained lower (<700nm) throughout 

the run duration in the presence of sediments, compared to the non-sediment treatments 

where flocs sizes reach >1500nm. The lower zeta potential measured within the experiments 

with bed sediments also supports the notion that more stable particles/flocs persist within the 

water column throughout the time series. This particular effect on the AgNM waterborne zeta 

potential is exciting and novel, as no suitable comparative studies to relate these findings 

have been found. 

An increase in the turbulent flow velocity that was sufficient to entrain the upper layer of the 

non-cohesive sediment bed, and cause deformation of the original bedforms, did not result 

in any significant resuspension and dispersion of the AgNM flocs back into the water column. 

This finding indicated that sedimented AgNM flocs were not easily re-dispersed into the 

water column by sediment entrainment during a high-velocity event (i.e., representative of a 

spate event capable of remobilising riverbed sediments) is essential.  This finding suggests 

that once stabilised AgNM-flocs are exchanged from the flow into the riverbed, they are not 

easily re-entrained back into the flow. As such, they do not have the propensity for long-

range transport, for example, during fluvial flood events, which has implications for the life 

cycle and fate of AgNM within our natural river systems. Our finding that AgNM-flocs were 

not readily released back into the water column when the stream velocity was increased was 

different to findings from Boncagni et al. (2009), where Titanium Dioxide (TiO2) NM were 

quickly released during high velocity flows, with 37&12% (C/C0) release for their two tested 

TiO2 particles. This difference may relate to specific variations in how the flocs interact with 

the sediments (e.g. through electrostatic interactions) and how stable the flocs remain within 

high shear conditions. The difference in release behaviour was also related to pH differences. 

In Boncagni et al. (2009), the pH in the tests was 11.3, which appeared to facilitate the release 

of the particles from the sediment bed through a change to the particle iso-electrical point 

that was assumed to create unfavourable filtration/retention/attenuation conditions within the 

sediment bed. By contrast, the pH within our system was 7.4, the zeta potential of the flocs 
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(i.e. <±30) was close to zero, and the steric stabiliser may have broken down (disassociated 

with the particle) during the experiment, which may have created conditions that were more 

favourable for the flocs to bind to the sand granules, thus reducing their release during high 

flow conditions.  

5.4.2 The fate of waterborne AgNM within a multinary system 

Several studies have looked at the effect of isolated abiotic factors (such as binary systems, 

i.e. AgNM+factor) on the waterborne fate and behaviour of AgNM. Examples include the 

effects of electrolytes or organic matter (Baalousha et al., 2013; Kennedy et al., 2012; El 

Badawy et al., 2010; Anderson, Semprini & Radniecki, 2014). By contrast, few studies have 

compared singular systems with multinary (i.e. multifactor) systems and how the additive 

effects of multiple factors (in the current study case, for example, Ha+clay+low shear flow) 

influence the waterborne behaviour of AgNM, which is thought to be more reflective of 

natural riverine systems (Wang et al., 2015). The summative water column behaviour of 

AgNM+Ha+clay+Sed within the low shear flow conditions was not too dissimilar to the 

behaviour of AgNM+Ha within the same low shear flow. As discussed above in more detail, 

the findings pinpointed that the stabilising effects of humic acid negated the attenuation 

influence of the turbulent flow on the total water column Ag concentration. This was 

demonstrated to increase the flocculation and sedimentation rates of waterborne AgNM, as 

discussed in section 5.4.2. As such, the results indicate that sedimentation is still active, albeit 

at a slower rate,  within our combined treatment system where humic acid was added. Results 

for the combined abiotic factor conditions also demonstrated that the resuspension event 

remobilised the sedimented fraction during the period of increased flow velocity, where this 

phenomenon was again thought to be at least in part facilitated by the presence of organic 

matter, as no resuspension was apparent for equivalent conditions without Ha. Our finding 

that the influence of the organic matter within a multinary system largely supersedes the 

effects of the other factors on AgNM water column removal behaviour is in accord with Wang 

et al. (2015). They also demonstrated that Ha effects were dominant within a ternary system 

of AgNM+Kaolin+Ha. Here, it was found that Ha increased AgNM stability within the ternary 

system. In addition, the findings from the current study support the remobilisation of AgNM 

flocculates within the combined environmentally relevant conditions 

(AgNM+Clay+Ha+Sed), and again the response was similar to the AgNM+Ha+Sed alone 

treatment. This is a novel finding as few previous studies have considered the remobilisation 
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of AgNM. At the same time, the resuspension of other NM (e.g. TiO2) from bed sediments 

has been demonstrated previously by Boncagni et al. (2009); in their study, the NM were 

released without the addition of Ha. This finding holds significance, as it suggests that within 

a multinary system, the addition or influx of organic matter into the riverine system will 

undoubtedly transport flocs of AgNM further downstream during a high flow event, affecting 

the long-range transport of AgNM.  

The summative effects of the sediment on the dissolved fraction were similar to the findings 

for the behaviour of the dissolved fraction within the AgNM+Ha+flow or 

AgNM+Ha+flow+Sediment conditions, where a decrease in the concomitant dissolved 

fraction was generally observed over time across the tested treatments. Specifically, it was 

notable that during the onset of the experiment from 0-48hrs, a considerably higher 

concentration of dissolved Ag was present within the multinary system relative to the binary 

systems. Again, this finding suggests that the effect of Ha acid is predominant within a 

multinary system with low shear flow, where an increase (2-3.5 fold) in the AgNM 

concomitant dissolved fraction was present within all the conditions of AgNM+Ha+flow for 

all the systems (binary, ternary and multinary). At the start of the multinary system 

experiment, there was an observed decrease in the concentration of the dissolved fraction. 

There are several explanations proposed here that may explain these observed trends. Firstly, 

the dissolved fraction could be reduced with the humic acid to form new AgNM (Akaighe et 

al., 2011; Hou et al., 2013). Secondly, the dissolved fraction might be sorptioning or re-

sorptioning to the AgNM flocs, clays, sediments and heteroaggregate flocs, as others have 

demonstrated and discussed previously (Li & Lenhart, 2012; Sen Gupta & Bhattacharyya, 

2014; Pongkitdachoti & Unob, 2018; Zelano et al., 2006). It is interesting to note that 

whichever processes are occurring (reduction & sorption processes, interactions with 

sediment bed). The dissolved fraction was not re-dispersed into the water column during the 

high flow event, which supports the idea that sorption or reduction reactions may occur, thus 

preventing it from being measured in the water column as free Ag. This finding is pertinent 

as the behaviour of AgNM concomitant dissolved fraction is of great importance, as it is often 

considered that the dissolved fraction is mainly responsible for AgNM toxicity (Kim, Kim & 

Lee, 2011; Loza et al., 2014).  

The behaviour of the floc evolution within a multinary system was different to the unary & 

binary, and ternary systems. Here, results showed a decrease in floc size as a function of time, 
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followed by a subsequent increase in floc size after an elapsed time of 100hrs. A combination of 

modified differential sedimentation may explain the difference in phenomena seen here, and 

sediment filtration mechanisms, influenced by the multiple factors within the multinary system, 

where the larger particles settle and deposit more quickly (Lv et al., 2018) or are attenuated 

within bed sediments, due to the capture and filtration within the pore space of sediment layers 

(Areepitak & Ren, 2011). The smaller flocs were then thought to persist within the water column, 

and the resuspension event supported this notion as the larger flocs were then re-dispersed back 

into the water column. This finding is crucial as it demonstrates that the flocculate evolution of 

waterborne AgNM is not additive and is mainly different within a multinary system. This has 

implications for the risks posed by waterborne AgNM, as the floc state is thought to modify 

interactions with aquatic organisms. Again, our findings generally fit with Wang et al. (2015) 

findings that systems with multiple factors, such as a ternary system, display different NM fate 

behaviour relative to binary and unary systems.  

Within the multinary system, the zeta potential results showed a rapid decrease followed by an 

increase; this variability is fundamentally different from the zeta potential behaviour within the 

binary and unary systems, where the zeta potential was either constant or decreased as a function 

of time. It is difficult to interpret this biphasic response and determine its exact causes. However, 

it is likely to be driven by factors within the multinary system, such as surface modifications, 

changes in floc size and heteroaggregation, which are individual processes that would all lead to 

modification to the floc's zeta potential. Nevertheless, the initial decrease in the zeta potential 

during the first 48hrs within the multinary system might be best explained by heteroaggregation 

effects on the floc evolution mechanisms. The subsequent increase of zeta potential after 48hrs 

could most likely be attributed to a combination of the most electrostatic/steric particles 

persisting in the water column and the humic acid, which further stabilises the remaining 

flocculates. However, as the zeta potential remains <-30mV in all our systems, it suggests the 

steric stabilisation mechanism is the critical mechanism within these systems, which is further 

enhanced by the presence of humic acid within some of our systems.    

5.5 Chapter synthesis and conclusions  

The findings in this chapter support the hypothesis that bed sediment interactions are vital 

processes regulating the transfer and exchange of AgNM from the water column to the bed. 

Furthermore, for high-flow events with enough energy to entrain and suspend the non-cohesive 

(sand) sediment bed layer (as occur naturally in sand-bedded streams and rivers under highly 

turbulent flow conditions), Ha could contribute to the downstream transport of AgNM within 
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riverine systems. As such, the contribution of the sediment entrainment process to AgNM 

removal rates must be carefully analysed since our findings highlight NM-sediment interactions 

as a critical factor in estimating accurate water column-to-bed exchange rates for AgNM.  Our 

findings also demonstrated that AgNM water column behaviour within complex multinary 

systems differed from unary, binary, and ternary systems.  This finding is interesting and is one 

of the first studies assessing the water column behaviour of waterborne AgNM within a multinary 

system. Findings demonstrated that specific abiotic influencers such as Ha overrode the influence 

of other imposed conditions, such as low shear turbulent flow. This novel finding brings a new 

insight into the environmental risk assessment of waterborne AgNM. These results support the 

notion that the critical driving processes that dominate the fate of AgNM under one scenario will 

not be the same driving processes that dominate the findings under different conditions. For 

example, it may be true that the critical removal process would be hetero-aggregation with 

natural colloids within high organic matter conditions. However, for identical conditions with 

low organic matter concentration, for particles that show waterborne persistence due to steric 

stabilisation mechanisms, flow turbulence may well be the critical factor in removing waterborne 

AgNM. 

Further research is thus required to study and fully interpret the waterborne fate and persistence 

of AgNM within multinary systems, selecting designs that choose abiotic factors that model 

different representative freshwaters and complex sediment interactions. This will highlight the 

different drivers in AgNM water column outcome and fate and determine whether the empirical 

behaviour matches our current fate models. Such studies would also help validate these models 

and further elucidate our understanding of the behaviour of AgNM within more complex 

multinary systems, which are more reflective of the natural aquatic environments. 

In conclusion, the results presented in this chapter provide new insight and a better understanding 

of the role that turbulent flow, sediments and multinary systems have in the transport and 

environmental fate of AgNM. However, elucidating the exact role of different test system effects 

on AgNM waterborne behaviour (e.g. system adsorption of NM) would require more substantive 

testing in future studies. These studies support that detailed flume-based studies can further 

enhance our understanding of NM fate, with additional scope for studying NM interactions with 

different forms of natural organic matter (NOM), sediment compositions and different particle 

functionalisation. 
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6 Chapter 6.  Acute relative waterborne toxicity of dissolved and nano-silver; 

a contrast of the influence of abiotic factors on the mortality of two 

freshwater species  

6.1 Introduction  

Although several studies have addressed the effects AgNM has on freshwater species (Griffitt 

et al., 2008, 2013; Venkat & Amerson, 2016; Groh et al., 2014; Dethloff, Naddy & Gorsuch, 

2007; Batista, Pascoal & Cássio, 2017; Naddy et al., 2018), research concerning the direct 

effects of abiotic components to freshwater AgNM toxicity is still limited.  For protective 

reasons, it is imperative to evaluate the risk AgNM has on a variety of freshwater organisms, 

particularly as avoidance of nanomaterials might be more difficult for certain organisms, such 

as benthic dwelling species, e.g. aquatic worms such as Lumbriculus variegatus, as AgNM tend 

to sediment to the bottom of aquatic systems (Rajala et al., 2016).  Further studies that elucidate 

the level of control environmental factors, such as water hardness and organic matter, have on 

AgNM waterborne toxicity within relevant freshwater species (non-microbial models) and how 

these environmental influences regulate toxicity differently between species are required.  

The impacts AgNM have on the early life stages of fish was also identified as an important area 

to contribute to, as fish larvae are venerable during their development (Shaw, 2011).  

Furthermore, it is essential to elucidate the different effects AgNM may have on species from 

different phylogeny, traits, and physiology, which can result in differences in how the species 

regulates uptake processes and internal metal trafficking and detoxification mechanisms 

(Buchwalter et al., 2008; Luoma, Khan & Croteau, 2014).  Hypothetically, it is thought that 

these different organisms' traits may lead to differences in toxicity or tolerances to exposure to 

waterborne Ag&AgNM.  In addition, these interspecies differences may lead to differences in 

how environmental factors influence the waterborne toxicity of Ag&AgNM. Therefore, for this 

work, a comparative study was undertaken to investigate the relative effects of selected abiotic 

factors (hardness and organic and inorganic matter) on the waterborne toxicity (endpoint 

measured; mortality) of dissolved and nano forms of silver (AgNM).  These are aqueous phase 

silver, i.e. dissolved species of silver, and two forms of AgNM.  A functionalised (PVP-coated) 

commercial particle and a European representative material were selected.  

6.1.1 Aims, objectives and hypotheses 

Two pertinent freshwater species were selected for this work: Californian blackworm 

Lumbriculus variegatus and zebrafish Danio rerio larvae.  These model organisms were 

selected because of their different habitats (water column and sediments) and their different 
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phylogenetic backgrounds, life histories, and their different keystone roles and services within 

freshwater ecosystems.  Worms contribute to ecosystem function by oxygenating riverbeds 

during their life cycles (Williams, 2005) and the early life stages of fish sustain our stocks, 

including commercially important species (Shaw, 2011).  Another factor that made these two 

species relevant for the comparative study was that the route to uptake was thought to be 

regulated differently between the species.  The route to uptake and toxicity for the zebrafish 

larvae was thought to occur via two major routes, 1. via dermal surface exchange or cutaneous 

exchange and 2. via the gill membranes, as larvae do not have fully formed gills within the early 

life stages up until day 7 days post fertilisation (Rombough, 2002).  This means the uptake of 

Ag or AgNM is regulated via both routes during the ZFL early life stages, which are both 

responsible for oxygen uptake and ion regulation.  The route to uptake and toxicity for 

blackworms is also thought to occur via two major routes: 1. via a route of dermal surface 

exchange or cutaneous exchange, or 2. via imbibing fluid, such that waterborne uptake of silver, 

i.e. dissolved or particulate (Ag&AgNM) is likely taken up via these two routes (Novo et al., 

2015; Cross, Tyler & Galloway, 2019).  

The critical contribution of this work was striving to identify related organism differences in 1.  

How the waterborne mortality of Ag&AgNM manifests differently (tolerances) between the 

species, and 2.  How environmental factors (hardness and dissolved organic matter) may 

regulate the relative toxicity, differentially between the selected species.  The expansive aims 

and objectives, and hypotheses that were investigated within this Chapter, are as follows: 

1. Investigate acute aqueous phase AgNM mortality (Concentration-responses) in two 

taxonomically different species related to the relative effects of selected freshwater 

abiotic influences: organic and inorganic matter, soft and hard water. 

Hypotheses: 

H1.1: The effects of exposure to aqueous phase Ag&AgNM will cause acute time-dependant 

concentration-response relationships (mortality) within the selected freshwater species.  

H1.2: Adding organic matter to test exposure will decrease aqueous phase Ag&AgNM 

concentration-dependant mortality within both species. 

H1.3: The effect of contrasting general water hardness will alter the aqueous phase Ag&AgNM 

concentration-dependant mortality within both the selected species. 

2. Compare and contrast the relative effects of selected abiotic factors on concentration-

dependant mortality between two taxonomically different freshwater species. 
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H2.1: The time-dependant concentration-response relationships (mortality) of Ag&AgNM will 

be different between two taxonomically different freshwater species.  

H2.2: Adding organic matter to test exposure to Ag&AgNM will affect concentration-dependant 

mortality differentially between the contrasting species. 

H2.2: Contrasting general water hardness will differentially alter aqueous phase Ag&AgNM 

concentration-dependant mortality between the contrasting species. 

6.2 Methods 

6.2.1 Nanomaterials and chemicals 

See methods Chapter 2 section, 2.1.1 Materials and Chemicals. 

6.2.2 Toxicity studies    

In brief, tests were set up following protocols described in OECD Test No. 225.  Experiments 

were conducted in 20ml of ISO hard water medium (ISO, 2012).  One worm and ten-fifteen 

zebrafish larvae (separately) were added per vial.  The temperature, pH and conductivity 

(µS/cm) were measured at the beginning and end of the experiment (using an Orion VersaSTAR 

Benchtop, pH meter).  The oxygen concentration of the medium was also measured and 

monitored during experiments using a Hach portable meter (HQ30d) with an optical dissolved 

oxygen probe (LDO101).  The experiments were carried out in an incubator at 20±2°C for L. 

variegatus and within the Zebrafish facility at 28± 2°C, using a random design, under a light 

regime of 16:8 & 14:10 hour light: dark; worms and zebrafish larvae respectively.  Experiments 

were run for 96 hours.  The organisms were observed daily for mortality and changes in 

behaviour (e.g. spasms in the worms, swimming behaviour in the larvae); on the final day 

surviving worms were tested to carry out locomotive behaviour.  The heartbeat of the larvae 

was recorded.  

6.2.3 Experiment design and test concentrations 

The volume of each test concentration was 20 ml, which was held in a 40 ml vial.  For worms, 

one organism was exposed in each test container.  Test suspensions were not replaced during 

the experiment, as this was not seen as an environmentally relevant exposure scenario.  Acute 

LC50 experiments consisted of a sample of 10 control vials and 10 vials of 8 different toxicant 

concentrations, each vial containing one worm (n=10 of individual worms at each treatment 

concentration).  All experiments were repeated over three consecutive weeks (n=3).  Test 

concentrations were made up in vials using stocks, and ionic strength was adjusted using Milli-

Q to balance differences across concentrations and controls.  Toxicity tests were carried out in 

40 ml borosilicate vials or disposable universal plastic vials.  All glassware was soaked in 50% 



Chapter 6.  Acute relative waterborne toxicity of dissolved and nano-silver; a contrast of the 

influence of abiotic factors on the mortality of two freshwater species 

193 

 

(v/v) nitric acid for 15 minutes, followed by triplicate rinses in distilled water; vials were then 

dried in an oven at ~50˚C.  The plastic vials were rinsed and dried before use.  The glassware 

was rinsed and dried for replicates, and the identical vials were then used for the same 

concentrations.  Vials were further acid-washed when changing materials, i.e. AgNM to AgNO3.  

Sterilised toothpicks were used for handling worms; this enabled the transfer of the organisms 

into the vials without the addition of excess water.  

6.2.4 Culture maintenance 

L. variegatus cultures were maintained according to a protocol adapted from the OECD 

Guideline 225 (2007).  The cultures were housed in 2 x 10L tanks in an incubator at 20±2°C 

with a light regime of 16:8 hours.  The tanks were supplied with a substrate of strips of 

unbleached brown paper towels (sterilised).  The tanks were cleaned, and the medium and 

substrate (paper towels) were changed twice a week.  The culture tank contained approximately 

5L of culture medium.  The worms were fed 0.25g aquaria tropical flake food (TetraMin) every 

other day, as this minimised overloading the system with food and, therefore, reduced the tank 

water's turbidity, caused by opportunistic fungi and bacteria.  The tanks were aerated (Hailea 

Super Silent Adjustable Air Pump).  The tanks’ pH and dissolved oxygen were also monitored.  

Brood stocks of adult zebrafish (Danio rerio) were kept at the Heriot-Watt Zebrafish research 

facility in aerated, flow-through glass aquaria containing dechlorinated tap water, maintained 

at 28 °C with a photoperiod of 14 h light: 10 h dark (as was used under experimental conditions).  

Fish were fed up to three times a day, once with pellet food and twice with brine shrimp.  Males 

and females were housed separately until required for breeding, at which point they were placed 

together in 3 L breeding chambers within a 40 L tank, the evening before embryo collection, 

which was collected 2-3 hrs after first light, subsequently after spawning activity had stopped.  

6.2.5 Worm & Zebrafish larvae preparation and use for experiments 

Worms were synchronised prior to use, i.e. large (adult) animals that did not show recent 

fragmentation were transferred into Petri dishes containing a clean medium.  They were then 

subsequently synchronised (cut in half, at the point where there is a division in colouration of 

the worms’ body) as described in Annex 5 of the OECD 225 Guideline.  After regenerating for 

10 to 14 days (worms were fed during regeneration), intact complete worms of similar size, 

which showed swimming or body reversal after gentle mechanical stimulus, were used for 

experiments.  Synchronisation was performed to minimise uncontrolled reproduction and 

regeneration, subsequent high variation in test results, and maintenance of stocks.  Prior to the 

commencement of the experiment, 20 worms were weighed; the wet weight was taken by 
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transferring the worms into 10ml of the medium in the vial, following zeroing the scales to the 

vial and medium.  

Zebrafish larvae were cleaned (removal of debris and unfertilised eggs) and left to hatch; at 

app.  72 hpf.  Hatched larvae (72hpf) were randomly selected and placed into 40 ml vials (n = 

10 embryos per beaker) containing 35ml ISO medium; exposures were conducted for four days 

(until 168hpf).  The temperature was maintained by ambient heating in a dedicated tropical 

aquarium.  The exposure commenced as soon as this dosing was complete, and embryos were 

exposed in triplicate to nominal concentrations of Ag-NM or Ag (as AgNO3) in a static 

exposure regime. 

6.2.6 Stock preparations 

Dry powdered AgNM (PVP) were suspended in MilliQ and bath sonicated for 2 x 8mins (Temp: 

20±2°C; Kerry, ultrasonic bath;36/66 kHz ±10%).  The stock was agitated by hand at 8min and 

the end of sonication.  Prior to dosing, NM stocks were mixed via PTFE stirring bar.  The 

remaining stock NM preparations were stored at 4°C.  Fresh NM stock preparations were made 

for every new experiment and used within 2 hrs of preparation.  Humic acid stocks were made 

by suspending 1 g/l of SRHa in MILLIQ and mixed overnight with a PTFE stirring bar;  the pH 

was adjusted and topped up to the final volume. 

Test concentrations and abiotic conditions were prepared by adding the correct amount of NM 

or humic acid stock to the test medium or diluting the media 10 fold.  The test medium was 

prepared by adding analytical reagent grade salts sourced from Sigma Aldrich.  ISO medium 

was made as described in the appendix of OECD, 225).  Where Calcium chloride 2-hydrate 

(CaSO4.2H2O) was dissolved first in a 20L container of MilliQ, the medium was mixed using 

a stirring bar; following this, magnesium sulphate heptahydrate (MgSO4) and potassium 

chloride (KCl) were dissolved, sodium bicarbonate (NaHCO3), 15-20 minutes intervals were 

left between the addition of each salt.  The medium vessel was continuously aerated, and new 

medium was made up every 14 days.  The pH of the test medium was adjusted to pH 7.5; 

adjustments were made during the preparation of the test concentration in small volumes.  pH 

was adjusted either with NaOH or HCl (0.01M). 

6.2.7 Endpoints; Lumbriculus variegatus  

Mortalities at 24, 48, 72 and 96 hrs were assessed and recorded under the following conditions:  

• no sign of movement after gentle stimulus 

• decomposition was apparent, and the remainder did not respond to stimulus.  

• no worm in the vial (i.e. complete decomposition) 
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 Lumbriculus variegatus worms are one of the few oligochaete species that possess several context-

specific locomotor “escape” behaviours (O’Gara et al., 2004).  L. variegatus, following tactile 

stimulation, can perform a body reversal (180°), such that the body flips round in loop like motion.  

The black worm is the only Lumbriculidae in which such behaviour has been studied in detail 

(Drewes, 1999).  The overall ability to perform such manoeuvres is pivotal to the survival of the 

worms, as this behaviour is essential to avoid predators.  For the locomotive behavioural assay, 

worms were gently removed from the vials using a Pasteur pipette and placed into a petri dish 

containing 10ml of worm medium, enough to cover the worm but prevent horizontal swimming.  

According to Drewes (1999) and Ding et al. (2001), the assay was carried out, i.e. touch stimuli 

were delivered via a sterilised toothpick.  The anterior portion of the worm was gently touched to 

evoke a behavioural response.  The nature of the wooden toothpick tip ensured the worm was not 

injured during stimulation.  The worm was stimulated ten times, with 5 seconds rest between 

stimuli; the behavioural response was recorded as a total number of 180° body reversal movements.  

Technically defined as: ‘estimated angular change in the worm’s longitudinal axis caused by 

reversal, the maximum possible being 180°’ (Drewes, 1999).  Other observations were also 

recorded: if the worm carried out spiral forward swimming; if the worm displayed body coiling 

upon stimulation and not a complete body reversal; if the worm displayed spasms; if the worm was 

whole or consisted of a bit of regeneration of partially decomposed worm.  Data were normalised 

to the control in each replicate and expressed as the probability of body reversal.  

6.2.8 Endpoints; Danio rerio  

Mortalities at 24, 48, 72 and 96 hrs were assessed post-exposure, along with the (approximate) time 

of hatching, abnormal behaviour and abnormal appearance (both of the latter endpoints only by 

casual observation using a stereo microscope rather than any sort of tracking software or scoring 

system).  At the end of the experiments, the heart rate for each exposure concentration was recoded.  

The larva was placed on a cavity slide, and their heart rate was taken over a 30sec interval. 

Criteria for death were as stated in OECD210 and are: 

- For eggs: particularly in the early stages, a marked loss of translucency and change in colouration, 

caused by coagulation and precipitation of protein, leading to an opaque white appearance; 

- For embryos: absence of body movement and absence of heartbeat; 

- For larvae: immobility and/or absence of respiratory movement and/or absence of heartbeat and/or 

opaque white colouration of the central nervous system and/or lack of reaction to mechanical 

stimulus. 
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6.2.9 Statistical analysis 

Dose-response curves were fitted using a standard two parameters sigmoidal fit in sigma plot and 

R, and lethal concentrations of LC10, 50, 90 were calculated.  Tables of survival and mortality at 

24, 48, 72, and 96 hrs were produced, and medium parameters (i.e. initial and final pH and 

conductivity) were reported as mean±SEM.  Statistical analysis and plotting of Ag NM toxicity 

concentration responses were carried out using R. Data sets were tested for normality using a QQ 

plot, and data were checked for heteroscedasticity; data which were found to be non-normally 

distributed or heteroscedastic were box-cox transformed using the function in the DRC package 

(Ritz & Streibig, 2015).  If this improved the data’s properties, the further analysis included the 

transformation.  Logistic binomial models were fitted, LC50  descriptors were produced, and 

horizontal and vertical comparisons were made using the package ‘drc’ Version 2.5-12 (Ritz & 

Streibig, 2015).  In addition, for statistical contrasting of the effect of treatments on an entire 

concentration-responses, a GLM model of the argument:  model..= glm(Ndead/Ntried~conc+treat, 

family=binomial, data=….., weights=Ntried) was fitted; when relevant an interaction term was 

used, which was established using lrtest() argument.  With the fit, differences between treatments 

were established using the ‘Gmodles’ (Version 2.16.2) package.contrast argument  (Warnes et al., 

2015). 
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6.3 Results 

6.3.1 Acute waterborne toxicity of two different forms of silver 

6.3.2 Aqueous phase silver 

Californian black worm L. variegatus exposed to waterborne silver (Ag) caused significant 

mortality concentration-response relationships at all observed time points of 24,48,72 and 96hrs 

within hard synthetic freshwater (Figure 6.1A).  Data were pooled from a minimum of three 

independent experiments conducted over three executive weeks, with replication of a minimum 

of n = ≥3.  Differences in the predicted lethal concentrations (LC50 ) were evident between time 

points (Table 6.1), where contrasts of the relative fold-differences within R Package ‘drc’ v 3.0-

1 (Ritz & Streibig, 2015) indicated significant differences in LC50  values, between 24 hrs and 

72 and 96 hrs.  The reported fold differences between time points were 0.78±0.08 and 0.65±0.07 

(mean-fold difference±SEM) for 24 vs 72 hrs and 24 vs 96 hrs, respectively.  A contrast of the 

waterborne silver (Ag) mortality concentration-response curves of L. variegatus, using a 

generalised linear model (GLM), also indicated that the mortality response was significantly 

different as a function of time (GLM; fit.contrast function, R package, time; P=<0.05). 

Zebrafish larvae exposed to waterborne silver (Ag) also showed significant mortality 

concentration-response relationships at all the observed time points of 24, 48, 72 and 96 hrs of 

exposure within synthetic hard freshwater (ISO medium; Figure 6.1B).  Data were pooled from 

a minimum of three independent experiments conducted over three executive weeks, with 

replication of a minimum of n = ≥3.  Differences in predicted lethal concentrations (LC50) were 

again evident between time points, where results indicated significant relative differences in 

LC50  values, between 24 hrs to 72 & 96 hrs and 48 hrs vs 72 & 96 hrs time points (Table 6.1).  

In this case, there was also an effect of time.  A relative contrast of time points contrasting 

waterborne silver (Ag) concentration-response relationships (GLM; conc. 0-200 µg/l; 

fit.contrast function, time; P=>0.05), indicating that the relative concentration-response 

changed as a function of time.  Dissolved silvers (supplied as AgNO3) mortality response was 

more potent for D. rerio, as can be seen by the curve's steepness, whereby the concentration 

range where 10-90% of the mortality fell was less than for the blackworm.  The 10-90% 

concentration range spanned from 29.25±1.35-57.94±2.95 µg/l for D. rerio to  18.28±2.45-

74.98±8.53 for L. variegatus.  Here, it is evident that the LC10 for the blackworm was lower 

than for zebrafish larvae.  The effect of time on acute mortality was also different between 
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species; for the worms, a greater disparity in the range of LC50 values was seen between the 

observed time points: 51.77±4.1 at 24 hrs, and 33.75±2.12 at 96 hrs, compared to the zebrafish 

larvae, 45.65±1.46 at 24 hrs and 38.82±1.04 at 96 hrs. 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 6.1 The mortality of A) L. variegatus and B) D. rerio, as a function of waterborne silver 

concentration and time (Ag; 0-150µg/L; 96 hrs).  Exposures were conducted in hard synthetic freshwater 

(ISO), with a CaCO3 concentration of 250 mg/L.  Data represent average values, with a log scale and a 

two-parameter logistic model fitted (n = ≥3).
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Table 6.1 The predicted lethal concentrations of aqueous phase silver (Ag; 0-200 µg/l) for two aquatic 

organisms: Danio rerio (72-168hpf larvae) and Lumbriculus variegatus, as a function of time (24-96 

hrs), within hard synthetic freshwater (ISO, 2012). 

 

6.3.3 Two forms of Silver nanomaterials   

Californian blackworm exposed to waterborne AgNMPVP indicated significant mortality 

concentration-response relationships at observed time points (Figure 6.2A) within hard 

freshwater.  Data were pooled from a minimum of three independent experiments conducted 

over three executive weeks, with replication of a minimum of n = ≥3.  Relative differences in 

lethal concentrations (LC50 ) were apparent; results indicated significant differences in LC50 

values between 24 hrs vs 48 hrs, 24 vs 72, and 24 vs 96 hrs time points, which were a 0.81±0.069 

and 0.78±0.08, 0.65±0.06 (mean±SEM) relative-fold change in toxicity was evident ( 

Table 6.2).  The effect of time on AgNMPVP-induced mortality of L.variegatus, when contrasting 

the relative time-dependant concentration-response relationship (0-15 mg/L), using a 

generalised linear model GLM, indicated a significant difference between all-time points 

(GLM; fit.contrast function, R package, time; P=<0.05).  

Delineator 
Aquatic organism 

Danio rerio Lumbriculus variegatus 

LC-

value Time (hrs) Estimate±Std. Error (µg/l) & (CI) 

10 

24 29.25±1.35(26.6-31.91) 18.28±2.45(13.48-23.07) 

48 28.71±1.31(26.13-31.28) 16.2±2.1(12.08-20.32) 

72 29.1±1.09(26.95-31.24) 15.75±2.05(11.74-19.77) 

96 26.02±1.11(23.84-28.2) 15.19±1.78(11.69-18.69) 

50 24 45.65±1.46(42.79-48.51) 51.77±4.1(43.73-59.82) 
 48 44.4±1.36(41.73-47.07) 41.82±2.97(36-47.64) 
 72 40.03±0.94(38.18-41.88) 40.39±2.84(34.82-45.95) 

  96 38.82±1.04(36.78-40.87) 33.75±2.12(29.6-37.9) 

90 24 71.23±4.74(61.95-80.52) 146.65±24.49(98.66-194.65) 
 48 68.67±4.32(60.2-77.14) 107.96±15.48(77.63-138.3) 
 72 55.07±2.24(50.68-59.46) 103.54±14.57(74.98-132.1) 

  96 57.94±2.9(52.25-63.63) 74.98±8.53(58.27-91.69) 
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Figure 6.2 The mortality of A) L. variegatus and B) Danio rerio, as a function of a waterborne AgNMPVP 

(nominally 30-50 nm) concentration and time.  Exposures were conducted in hard synthetic freshwater 

(ISO, 2012) with a CaCO3 concentration of 250 mg/L.  Data represent averages, with a log scale and a 

two-parameter logistic model fitted (n = ≥3). 
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In hard freshwater, D. rerio larvae exposed to waterborne AgNMPVP indicated significant 

concentration-response relationships at all observed time points (Figure 6.2B).  Data were 

pooled from a minimum of three independent experiments conducted over three executive 

weeks, with replication of a minimum of n = ≥3.  The difference in LC50 was not pronounced, 

with only 42 hrs vs 96 hrs being significantly different from each other (Table 6.2).  A GLM of 

time-dependent effects of larvae AgNMPVP mortality was only supported between 48h vs 96 hrs 

(GLM, fit.contrast function, time; P=<0.05). 

 

Table 6.2 The predicted lethal concentrations of a commercial AgNMPVP (0-15 mg/L) for two 

aquatic organisms: Danio rerio (72-168hpf larvae) and Lumbriculus variegatus, as a function 

of time (24-96 hrs), within hard synthetic freshwater (ISO, 2012). 

Delineator 
Aquatic organism 

Danio rerio Lumbriculus variegatus 

LC-

value Time (hr) Estimate±Std. Error (mg/l) & (CI) 

10 

24 5.21±0.36(4.5-5.92) 3.01±0.24(2.53-3.49) 

48 5.01±0.33(4.36-5.66) 3.01±0.24(2.53-3.49) 

72 4.88±0.33(4.23-5.52) 3.01±0.24(2.53-3.49) 

96 4.36±0.3(3.77-4.95) 2.55±0.23(2.1-3) 

50 

24 10.79±0.46(9.88-11.7) 4.45±0.23(4-4.9) 

48 9.97±0.41(9.16-10.78) 4.45±0.23(4-4.9) 

72 9.87±0.41(9.06-10.69) 4.45±0.23(4-4.9) 

96 9.28±0.4(8.49-10.07) 3.8±0.17(3.46-4.14) 

90 

24 22.36±1.74(18.95-25.78) 6.58±0.63(5.36-7.81) 

48 19.83±1.41(17.08-22.59) 6.58±0.63(5.36-7.81) 

72 19.99±1.45(17.15-22.83) 6.58±0.63(5.36-7.81) 

96 19.75±1.51(16.8-22.7) 5.66±0.42(4.83-6.49) 
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L. variegatus exposed to a waterborne model or representative AgNM300 also caused significant 

concentration-response relationships at all observed time points (24, 48, 72 and 96 hrs) within 

synthetic hard freshwater (Figure 6.3A).    Data were pooled from a minimum of three 

independent experiments conducted over three executive weeks, with replication of a minimum 

of n = ≥3.  Relative differences in predicted lethal concentrations (LC50 ) were again evident 

between time points, where results indicated significant differences in LC50  values, between 

24 hrs vs 48, vs72, vs96 hrs and 48 hrs vs 96 hrs time points, where a 0.66±0.07, 0.57±0.06, 

0.53±0.06 and 0.8±0.09 (mean±SEM) fold change in toxicity was seen, as a function of time 

(Table 6.3).  A generalised linear model, with a contrast of the time points of the concentration-

response curves, also supported 24 hrs was significantly different to 48,72 and 96 hrs time 

points.  (GLM, fit.contrast function, R package,time; P=<0.05). 

D.rerio, exposed to waterborne AgNM300, indicated significant concentration-response 

relationships at all observed time points (24,48,72 and 96 hrs) within synthetic hard freshwater 

(Figure 6.3B).  Data were pooled from a minimum of three independent experiments conducted 

over three executive weeks, with replication of a minimum of n = ≥3.  Relative differences in 

predicted lethal concentrations (LC50 ) were evident between all-time points (Table 6.3).  In 

this case, there was also an effect of time on AgNM mortality of D.rerio when contrasting 

AgNM300’s time-dependant concentration-response relationship, whereby all-time points were 

significantly different from each other (GLM,conc. 0-3 mg/L; time: P=<0.05). 

6.3.4 Sublethal results for tested materials 

Exposure (96 hrs) of L. variegatus to aqueous phase silver (Ag) significantly affected the 

worm's body reversal behaviour, which resulted in a decrease in the probability of body reversal, 

where a concentration dependant relationship was seen (Figure 6.4A1; regression P=<0.05), 

this relationship is highly variable across the independent variable, i.e. concentration.  
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Figure 6.3 The mortality of A) L. variegatus and B) D. rerio because of exposure to waterborne AgNM300 

(nominally 10-15 nm) as a function of concentration and time.  Organisms were exposed to hard 

synthetic freshwater (ISO) with a CaCO3 concentration of 250 mg/L.  Data represent average values 

with a log scale and a fitted two-parameter logistic model (n = ≥3). 
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Table 6.3 The predicted lethal concentrations of a reference AgNM300, generated from aqueous phase 

exposures (conc.= 0-6 mg/L; 24-96 hrs) for two freshwater species: Danio rerio larvae and Lumbriculus 

variegatus, as a function of time, within hard synthetic freshwater (ISO, 2012). 

Delineator 
Aquatic organism 

Danio rerio Lumbriculus variegatus 

LC-value Time (hrs) Estimate±Std. Error (mg/l) & (CI) 

10 

24 

0.87±0.05(0.77-

0.96) 0.29±0.04(0.22-0.37) 

48 

0.85±0.06(0.74-

0.96) 0.16±0.03(0.1-0.21) 

72 

0.66±0.04(0.58-

0.73) 0.12±0.03(0.08-0.17) 

96 

0.61±0.03(0.55-

0.67) 0.13±0.02(0.08-0.18) 

50 24 2.1±0.08(1.95-2.25) 0.72±0.05(0.63-0.81) 

 
48 

1.64±0.06(1.51-

1.76) 0.47±0.04(0.4-0.55) 

 
72 

1.35±0.04(1.28-

1.43) 0.41±0.04(0.34-0.48) 

  
96 

1.21±0.03(1.15-

1.27) 0.38±0.03(0.32-0.45) 

90 
24 

5.08±0.42(4.26-

5.91) 1.78±0.23(1.32-2.23) 

 
48 

3.15±0.22(2.71-

3.59) 1.43±0.2(1.04-1.82) 
 72 2.79±0.15(2.49-3.1) 1.36±0.2(0.97-1.75) 

  96 2.4±0.12(2.17-2.64) 1.11±0.14(0.83-1.39) 

 

For both silver nanomaterials (AgNM300 & AgNMPVP), significant regression was also evident, 

where a concentration dependant relationship was also seen (Figure 6.4A2&3; regression P<0.05), 

it was also evident this relationship had high variance. Exposure (96 hrs) of D. rerio to aqueous 

phase silver (Ag) significantly affected the larvae’s heartbeat (bpm), where a concentration 

dependant relationship was seen, the heartbeat decreased with concentration (Figure 6.4B1; 

regression P=<0.05; n=90), however, the variance was high. For silver nanomaterial (AgNM300) a 

different relationship was seen, where for concentrations (0-1 mg/L) a significant positive 

regression was observed (R2= 0.72; n=52), and for (1-2 mg/L) a significant negative relationship 

was seen (Figure 6.4B2, regression P=<0.05;R2=0.92; n=30). For silver nanomaterial (AgNMPVP), 

the heartbeat decreased with concentration (Figure  6.4B3, regression P=<0.05; n=73), again, the 

variance was high. 
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Figure 6.4 The sub-lethal concentration-response relationship of the effects of silver (Ag) and two forms of AgNMPVP+300 on two aquatic organisms, 

which were exposed for 96 hrs, on A) the probability of successful body reversal (180º) in L.variegatus. And B) the effect on heartbeat for D.rerio 

larvae (@168hpf). In B2) circles represent increasing ZFL heart rate, then is above 1.5 mg/l AgNM decreased the ZFL heart rate – squares.  Data 

presented as mean±SEM. 
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6.3.5 Effects of water hardness on two forms of waterborne silver toxicity 

L. variegatus exposed to waterborne silver (Ag) in contrasting hard and soft water chemistry resulted in 

significant mortality concentration-response relationships (Figure 6.5A).  Data were pooled from a 

minimum of three independent experiments conducted over three executive weeks, with replication of 

a minimum of n = ≥3.  There was a significant difference in the predicted lethal concentrations (LC50 ) 

between soft and hard water.  Results indicated a relative-fold change of 0.4±0.13 (mean±SEM) in 

toxicity from hard → soft water.  A generalised linear model, contrasting the effects water hardness had 

on silver (Ag) concentration-response relationships (0-200 µg/l), confirmed there was a significant 

difference in toxicity between soft and hard freshwater (GLM; fit.contrast function, R package).  

Zebrafish larvae (72 hrs hpf; hatched) exposed to waterborne silver (Ag) within hard water and soft 

water both produced significant concentration-response relationships (Figure 6.5B).  Exposure also 

produced significantly different lethal concentration values (LC50 ) between soft and hard water, where 

a relative fold-change 0.56±0.03 (mean±SEM) in toxicity was seen (P=<0.05). Again for this aquatic 

species, a generalised linear model contrasting the effects of water hardness on silver waterborne (Ag) 

concentration-response relationships (0-200 µg/l) confirmed there was a significant difference in toxicity 

between soft and hard freshwater (GLM; fit.contrast function, R package, water type; P=<0.05). 

L. variegatus exposed to waterborne AgNMPVP and AgNM300 within differing hard and soft water 

conditions indicated significant mortality concentration-response relationships (Figure 6.6A).  No 

significant differences in predicted lethal concentrations (LC50 ) were evident between soft and hard 

water for the tested AgNM (Table 6.5).  A generalised linear model, contrasting the effects of water 

hardness on the two tested NM, confirmed there was no significant difference in concentration-response 

relationships (0-200 µg/l) between soft and hard freshwater (GLM; fit.contrast function, R package; 

water type; P=>0.05).  In difference to the black worm, zebrafish larvae exposed to waterborne 

AgNMPVP and AgNM300 within differing water chemistry of hard and soft water both indicated 

significantly different concentration-response relationships (Figure 6.6B; GLM; fit.contrast function, R 

package, water type; P=<0.05) were significant differences in predicted lethal concentrations (LC50 ) 

between hard and soft water were evident (Table 6.5; P<0.05). 
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Figure 6.5 The relative influence of general water hardness on waterborne silver (Ag; 0-150µg/L; 96 

hrs) concentration-dependant mortality response of A) Lumbriculus variegatus and B) Danio rerio.  

Treatments consisted of hard and soft synthetic freshwater (ISO) with a CaCO3 concentration of 250 & 

25 mg/L, respectively.  Data represent average values, with a log scale and a two-parameter logistic 

model fitted (n = ≥3). 
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Figure 6.6 The relative influence of general water hardness on two AgNM waterborne concentration-

dependant mortality responses for A) L. variegatus and B) D. rerio larvae (72-168 hpf).  Treatments 

consisted of hard and soft synthetic freshwater (ISO) with a CaCO3 concentration of 250 & 25 mg/L, 

respectively.  Data represent average values with a two-parameter logistic model fitted (n = ≥3). 
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Table 6.4 The influence of contrasting general water hardness and humic acid (10mg/L) on the predicted 

lethal concentrations (96hr) of dissolved aqueous phase silver (Ag) for Danio rerio larvae (72-168hpf) and 

L. variegatus (ISO, 2012). 

 

 

 

 
 

 

 

 

 

 

 

 

 

 

 

 

Table 6.5 The influence of contrasting general water hardness and humic acid (10mg/L) on the predicted 

lethal concentrations (96hr) of two forms of aqueous phase AgNM, for Danio rerio larvae and Lumbriculus 

variegatus (ISO, 2012). 

Treatment 
Aquatic organism 

Danio rerio Lumbriculus variegatus 

NM/Water chemistry 

LC 

value Estimate±Std. Error (mg/l) & (CId)  

AgNM300 

Hwa 

10 

0.63±0.09 (0.45-0.8) 0.13±0.02 (0.08-0.18) 

SWb 0.32±0.07 (0.18-0.46) 0.14±0.02 (0.1-0.18) 

Hw+Hac 1.91±0.36 (1.21-2.61) 0.58±0.05 (0.47-0.68) 

AgNMPVP 

Hw 4.73±0.69 (3.38-6.07) 2.39±0.21 (1.98-2.8) 

SW 1.7±0.39 (0.94-2.45) 1.88±0.28 (1.34-2.43) 

Hw+Ha 5.39±1.55 (2.35-8.43) 3.83±0.27 (3.3-4.35) 

AgNM300 

Hw 

50 

1.29±0.1 (1.09-1.48) 0.38±0.03 (0.32-0.45) 

SW 0.54±0.07 (0.41-0.67) 0.34±0.03 (0.29-0.39) 

Hw+Ha 2.72±0.28 (2.18-3.27) 0.71±0.03 (0.65-0.78) 

AgNMPVP 

Hw 9.34±0.86 (7.65-11.02) 4.16±0.2 (3.77-4.54) 

SW 3.55±0.43 (2.71-4.4) 3.82±0.29 (3.24-4.39) 

Hw+Ha 10.95±1.68 (7.66-14.25) 5.88±0.28 (5.34-6.43) 

AgNM300 

Hw 

90 

2.64±0.37 (1.91-3.37) 1.11±0.14 (0.83-1.39) 

SW 0.91±0.15 (0.61-1.2) 0.81±0.09 (0.64-0.99) 

Hw+Ha 3.89±0.62 (2.67-5.1) 0.89±0.07 (0.76-1.02) 

AgNMPVP 

Hw 
18.44±2.83 

(12.88-

23.99) 7.22±0.58 (6.08-8.37) 

SW 
7.44±1.56 (4.38-10.5) 7.73±1.19 

(5.41-

10.06) 

Hw+Ha 
22.26±5.85 

(10.79-

33.72) 9.05±0.66 

(7.76-

10.33) 

Treatment 

  Aquatic organism 

  Danio rerio Lumbriculus variegatus 

LC value 
Estimate±Std. Error & (CI) 

Ag 

HwHa 

10 

29.1±1.8(25.57-32.62) 12.65±0.67(2.66-5.3) 

Hw 26.02±1.11(23.84-28.2) 15.19±1.78(11.69-18.68) 

Sw 9.3±0.91(7.53-11.08) 5.57±0.82(3.97-7.18) 

HwHa 

50 

43.06±1.86(39.4-46.71) 26.99±1(8.9-12.83) 

Hw 38.82±1.04(36.78-40.87) 33.74±2.12(29.59-37.89) 

Sw 21.91±1.05(19.85-23.98) 13.63±1.06(11.55-15.7) 

HwHa 

90 

63.72±5.3(53.32-74.11) 69.40±4(21.81-37.49) 

Hw 57.94±2.9(52.25-63.63) 74.96±8.52(58.26-91.66) 

Sw 51.62±3.53(44.7-58.53) 33.33±3.76(25.96-40.71) 
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aHw = hard water exposure (ISO medium) 
bSw = Soft water (tenfold ISO medium)  
cHa = addition of 10mg/l of Suwannee river humic acid (standard II) 
dCI = 95% confidence intervals   

 

6.3.6 Effects of Humic acid on two forms of waterborne silver toxicity 

L.variegatus exposed to waterborne silver (Ag) indicated no difference in LC50  concentrations 

between contrasting exposure of hard and hard water with humic acid (10 mg/L) Figure 6.7A.  A 

generalised linear model supported this finding, where no differences in the concentration-

response relationship between hard water and hard water and humic acid exposure were present 

(GLM, fit.contrast function, R package, Ha; P=>0.05).  D.rerio, exposed to waterborne silver 

(Ag) indicated no difference in LC50  concentrations between contrasting exposure of hard and 

hard water with humic acid (10 mg/L).  Again, a generalised linear model supported no 

differences in the concentration-response relationship between hard water and hard water and 

humic acid dose response relationships (Figure 6.7B; GLM, fit.contrast function, R package, Ha; 

P=>0.05).   

L. variegatus exposed to waterborne AgNMPVP and AgNM300 within differing water chemistry of 

hard water and hard water with the addition of humic acid (10 mg/L) indicated significant 

concentration-response relationships (Figure 6.8A).  Humic acid (10 mg/L) within hard water 

significantly reduced the L. variegatus mortality for both NM tested.  Effects of hard water and 

humic acid (10 mg/L) relative to hard water alone were seen to a greater extent in the lower 

concentrations of AgNM300, where for LC10 concentrations, a 4.4±0.9 fold change in toxicity was 

evident relative to hard water (Table 6.5).  Significant differences in predicted lethal 

concentrations (LC50 ) were also evident between hard and humic acid hard water when 

contrasting NM treatments (AgNMPVP vs AgNM300 ) (Table 6.5). This was also the case when 

contrasting the entire concentration-response relationships (GLM; fit.contrast function, R 

package, Ha; P=<0.05).  

Zebrafish larvae exposed to waterborne AgNMPVP and AgNM300 within differing water chemistry 

of hard water and hard water with humic acid (10 mg/L) indicated significant concentration-

response relationships (Figure 6.8B).  Humic acid (10 mg/L) within hard water significantly 

reduced the LC50  by 2.11±0.27 fold for AgNM300.  However, no significant effect was found on 

the LC50  value for AgNMPVP particles (Table 6.5).  In particular, to expand on this, effects were 

seen in the lower concentrations of AgNM300 concerning hard water in contrast with hard water 
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with humic acid (10 mg/L), where for LC10 concentrations, a 3.04±0.71 relative-fold change in 

toxicity was evident (Table 6.5).   

 

 

 

 

 

 

 

 

 

 

 

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
Figure 6.7  The relative influence of dissolved humic acid (10mg/l) on the waterborne concentration-

dependant mortality of silver (Ag; 0-150µg/L; 96 hrs) to A) Lumbriculus variegatus and B) Danio rerio 

within hard synthetic freshwater (ISO) with a CaCO3 concentration of 250 mg/L.  Data represent average 

values with a log scale and a fitted two-parameter logistic model (n = ≥3). 
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Figure 6.8 The relative influence of dissolved humic acid (10mg/l) on the concentration-dependant 

mortality of two waterborne AgNM (96hrs exposure); a commercial PVP particle (nominally 30-50 nm) 

and a reference material NM300 (nominally 10-15 nm) to A) Lumbriculus variegatus.  B) Danio rerio 

larvae (72-168 hpf).  Within hard synthetic freshwater (ISO) with a CaCO3 concentration of 250 mg/L.  

Data represent average values with a two-parameter logistic model fitted (n = ≥3).  
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For D.reiro, significant differences in predicted lethal concentrations (LC50 ) were also evident 

between hard and hard and humic acid water when contrasting between NM treatments (Table 

6.5).  The results, when contrasting the concentration-response relationships (GLM), indicated 

there was no effect of humic acid (10 mg/L) on the AgNMPVP concentration-response 

relationship (GLM; fit.contrast function, R package, Ha; P=>0.05). 

 

6.4 Discussion 

6.4.1 Acute waterborne toxicity of different forms of silver; Ag&AgNM 

6.4.2 Dissolved Ag toxicity 

This study is one of the first to comprehensively compare and contrast the acute waterborne 

concentration-response relationship of Ag&AgNM within freshwater species Lumbriculus 

variegatus and D.rerio larvae.  Many studies have demonstrated that aqueous silver is acutely 

toxic to freshwater species (Yu, Yin & Liu, 2013; Shaw & Handy, 2011; Lead et al., 2018).  

Within this study, aqueous silver (Ag- dissolved) was selected as a positive control to indicate 

the toxicity of silver in its most bioavailable form.  Aqueous silver, as expected, caused 

concentration-dependent toxicity to both the selected organisms across all the observed time 

points of 24-96 hrs.  Most of the mortality for both the tested species was rapid and occurred 

within the first 24 hrs, whereby a non-linear concentration-response relationship was evident 

for both species exposed to dissolved silver.  Many studies consistently report that dissolved 

Ag is more toxic than its nanoparticulate form, and the toxicity of dissolved silver is thought to 

be an order of magnitude more toxic than particulate forms (Wu et al., 2020; Li & Wang, 2021).  

The findings here are in line with other findings, where other studies have also demonstrated 

that the toxicity of dissolved silver is more potent than the particulate forms (Croteau et al., 

2011; Luoma, Khan & Croteau, 2014), such that dissolved silver causes mortality with doses 

an order of magnitude lower, than nano-forms of silver.  Several other study findings for 

freshwater species were also similar to this study’s findings, such that Griffitt et al. (2008) 

concluded that Ag was more toxic than AgNM towards various freshwater species (zebrafish, 

Daphnia and algal species).  Zhao & Wang's (2011) study also found that Ag was significantly 

more toxic than AgNM towards D. magna (Ag), where the 48-hour LC50 of Ag was reported 

to be 2.51 µg/L.  No mortalities in up to 500 µg/L AgNM were reported.  However, studies show 

that similar toxicity between Ag and AgNM is present for some species, and Farkas et al. (2010) 
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found similar concentration-response relationships in rainbow trout (Oncorhynchus mykiss) 

exposures. 

These experiments were carried out in synthetic hard freshwater (ISO; 80.15  mg/L Ca2+; CaCO3 

250  mg/L), which is representative of many lowland freshwaters within the UK (Smith et al., 

2002), and therefore the findings here hold some environmental relevance, such that these 

values are potentially representative of the toxicity of dissolved silver in freshwaters.  The 

tolerances of different species to waterborne metal exposures from different phylogenetic 

backgrounds are thought to be different between organisms (Buchwalter et al., 2008; Luoma, 

Khan & Croteau, 2014).  The finding here showed that the organism’s tolerance to dissolved 

silver (i.e.. rage of concentrations that show mortality and similar LC50 values) was similar 

between the tested species; this was not as expected, as it was thought that the worms might 

show greater tolerance to dissolved silver.  This was based on the premise that worms have been 

demonstrated to develop resistance to other heavy metals, such as copper and cadmium (O’Gara 

et al., 2004).  Worms have also been shown to perform autonomy or fragmentation to discharge 

metals, where they sequester heavy metals within their posterior region (O’Gara et al., 2004).  

The organisms from different taxonomic groups did not show significant differences in 

tolerances (concentration-relationships) to waterborne silver (Ag) exposure, which was 

different from initially hypothesised. However, the hypothesis was marginally supported in that 

differences in upper and lower tolerances were seen between species, but it was confounding in 

that the worms had both the highest and lowest tolerances thresholds for dissolved silver.  This 

was supported within the first t=24, where the LC50 was higher than the LC50 for zebrafish 

larvae.  However, at 96 hrs, the difference was not present.  However, the upper tolerance 

concentration, i.e. the LC90, was greater for the worms, also indicating there may be a thread 

of truth in the original hypothesis.  However, the overall conclusion is that both the tested 

species showed similar tolerance to dissolved silver (Ag).  These results support differences in 

the tolerances range or plasticity to exposure to aqueous silver (indicated by the lower and upper 

limits) between the species, which may be due to differences in ionoregulatory mechanisms of 

the different selected species.  However, the differences are not as distinguished as was initially 

predicted.  This did not appear to be the case regarding the notion that worms may have better 

mechanisms to cope with ionic metal exposure. 

Other researchers have reported that dissolved silver has a 96 h LC50  for the Californian 

blackworm L. variegatus of 4.5µg/L (Khan et al., 2015), which is lower than the value found 

within this study, 33.75±2.12 µg/L.  This difference in findings could relate to a difference in 
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the synthetic freshwater used, where Khan et al. (2015) study used Elendit M7 medium, 

whereas this study used ISO hard water.  However, the results reported here are in accordance 

with LC50  values reported by Little, (2017)  of 35.3 µg/L.   

 Several studies have studied the route to uptake, bioaccumulation and toxicity of silver within 

the sediment-dwelling oligochaete L.variegatus (Hirsch, 1998; Khan et al., 2015; Rajala et al., 

2017, 2018a).  Most of these studies are longer-term sediment-based exposure, and few have 

studied the waterborne toxicity of the worm.  This exposure route is important to this species 

as the worm protrudes its tail into the water column to deposit excrement and gas exchange 

(Ding, Drewes & Hsu, 2001).  However, this behaviour also allows the dermal surface of the 

organisms to be available for waterborne metal uptake.  Researchers have reported similar 

dissolved silver- LC50  values of 30-90µg/L for zebrafish embryos within fish early life stage 

toxicity tests (Ribeiro et al., 2014; Massarsky et al., 2013; Bilberg et al., 2012).  Although the 

mode of toxicity is not fully addressed here, i.e. the study's aim is not to tease out the profile of 

toxic impacts AgNM can have on worms, and the toxicity of silver (Ag) is widely accepted. The 

mechanisms for acute Ag toxicity are relatively well delineated for fish, whereby Ag has been 

demonstrated to act on proton membrane channel proteins, causing ionoregulatory impairment 

by blocking Na+/K+-ATPase within basolateral membranes (Hogstand & Wood, 1996; 

Bianchini et al., 2005).  This disruption drastically affects Na+ and Cl- homeostasis, which 

results in the progressive loss of Na+ and Cl- from fish (Hogstand & Wood, 1996; Bianchini et 

al., 2005).  The mechanisms of Ag toxicity has been reported to be similar for worms, where a 

disturbance in osmatic balance (O’Gara et al., 2004), and induction of metabolic abnormalities 

(Agbo et al., 2013), as well as production of reactive oxygen species and lipid peroxidation, 

have been seen  (O’Gara et al., 2004; O’Rourke et al., 2015; Little, 2017). 

6.4.3 AgNM toxicity 

It was evident that JRC (Joint Research Center) representative AgNM300 caused concentration-

dependent mortality in L.varigatus and D.rerio.  The concentration-response relationships 

indicate that this AgNM300 particle is more toxic to both tested species than the AgNMPVP. This 

may be due to differences in AgNM physicochemical characteristics specific to this material.  

The representative AgNM300 is better dispersed than the AgNMPVP particle; this, in conjunction 

with a smaller size distribution, is likely the nano-specific trait, leading to its higher toxicity.  

These results indicate that JRC AgNM is also more toxic to L.variegatus than D.rerio within 

aqueous phase exposures.  D.rerio has a significantly higher upper tolerance to JRC AgNM than 
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the worms.  No studies have published LC50  values for this particle for hatched larvae.  

However, similar LC50  values for D.rerio embryos have been reported (0.6-1 mg/L) within 

ISO water by Muth-Köhne et al. (2013).  For L. variegatus, no published representative AgNM 

comparative toxicity data could be found.  Both species' concentration relationships indicated 

different concentration-response relationships over the tested time (contrasts between time 

points of 24-96 hrs) for D.rerio and L.variegatus.  As reported in Chapter 5, the dissolved 

fraction from the AgNM300 particle was found to be between 16-25µg/L (as measured by ultra-

centrifugated samples from a concentration selected from within the AgNM toxicity range-

1mg/L).  The findings here support that the concomitant dissolved fraction is not solely 

responsible for the mortality observed within AgNM300 exposures for both L.variagatus and 

D.rerio (as Ag had an LC50 of 38.82µg/L).  This conclusion is similar to Little's (2017), who 

concluded that the toxicity could not be explained by the dissolved fraction alone for this 

particle. 

The findings support that commercial AgNM caused concentration-dependent mortality in 

selected aquatic species.  The LC50 values are an order of magnitude less toxic than dissolved 

silver for both species.  Within the tested, commercial functionalised AgNMPVP were 

unexpectedly more toxic to L.variegatus.  It was speculated that AgNMPVP would be more toxic 

to the early life stages of fish, as it was considered that worms would have a better mechanism 

for coping with metal exposure because they are benthic organisms and have a life history of 

encountering higher concentrations of metals within sediments.  However, results indicate that 

zebrafish larvae had significantly better tolerance to aqueous exposure of the selected 

commercial AgNM.  It was considered that this might be due to differences in behaviour within 

the exposure vial, i.e. worms are on the bottom, and larvae occupy the water column.  However, 

hatched (72 hrs) larvae are inactive and sit at the base of the vial, similar to worms, for the first 

24 hrs, which is when the majority of the mortality occurs.  Time had a similar effect on the 

acute mortality, meaning the relative fold change in toxicity between 24 and 96 hrs was similar 

between species.  As reported in Chapter 3, the dissolved fraction from AgNMPVP particle, 

during the time course of the exposure, within OECD hard water was found to be between 15-

20µg/L (as measured from ultra-centrifugated samples-conc.  5 mg/L).  While the concomitant 

dissolved fraction may be responsible for some of the mortality observed within AgNM300 

exposures, for both L.variagatus and D.rerio, it was evident that it cannot be considered the 

single origin of toxicity for this particle (as Ag had an LC50 of 38.82µg/L). 
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The issue of pinpointing if AgNM concomitant dissolved fraction is solely responsible for 

AgNM toxicity or if the particle effect also contributes towards AgNM toxicity is an area of great 

interest within nano-ecotoxicology.  The literature shows that the toxicity could be caused solely 

by the concomitant dissolved fraction (ion) in some cases (Griffitt et al., 2013; Asharani et al., 

2008) or by both components of the ion & particle in the other case (Luoma, Khan & Croteau, 

2014; Croteau et al., 2011), having one case for one particle and another for a different particle 

is a confusing, but plausible scenario.  The findings in the literature show that after the removal 

of Ag+ from AgNM, Kim, Kim & Lee (2011) found no acute toxicity towards D. magna, 

indicating that previously witnessed acute effects could be attributed exclusively to Ag, and  

Griffitt et al., (2008) also showed that the mortality, evoked by AgNM could not be attributed 

solely to the dissolved fraction.  Others conclude that it is caused by nanomaterials and the 

dissolved metal uptake from the concomitant dissolved fraction derived from the particulate 

form (Croteau et al., 2011).  

The findings here support different AgNM mortalities between the different phylogenetic 

organisms.  This conclusion is similar to other reports, where different toxicities or tolerances 

to AgNM have been reported across different taxonomic organisms, and different species have 

been shown to regulate particulate toxicity differently (Venkat & Amerson, 2016; Groh et al., 

2014; Griffitt et al., 2008).  However, this Chapter does not address why the toxicity is different 

between the species in full (via systematic screening of AgNM MOA).  An interesting point 

here is that the tolerance to dissolved silver is similar between species, indicating that they may 

similarly regulate ionic toxicity, i.e. possibly by the uptake via ion channels (Bury, Galvez & 

Wood, 1999).  However, the mortality of AgNM appears to be regulated differently between the 

species, indicating a differential nano-specific effect is present in how these organisms regulate 

AgNM toxicity or in how an indirect effect is regulated/activated, such as the effect of AgNM 

coating/attaching the organism’s skin or gills, thus effecting gas exchange.  Another mechanism 

that could be at play here, as Farkas et al. (2010) indicates that AgNM can adhere to the surface 

of cells or tissues, enabling the release of Ag+ into the cell or organisms, and this mechanism 

of subcutaneous uptake might be different, between the species, or the detoxification 

elimination or AgNM may also be different.  The point is that the zebrafish larvae may have 

better mechanisms for dealing with the direct effects of particulate toxicity.  Alternatively, the 

indirect effect of particles affecting gas exchange (oxygen) and the worms increased sensitivity 

to AgNM exposure may relate to the nano-specific effect on the worm’s gas exchange via their 

respiratory skin. 
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6.4.4 Sublethal effects of Ag&AgNM 

The work here in particular identified that the response to dissolved and nanoparticulate forms 

of silver showed a reduction in body reversal across the different treatments of silver: Ag, 

AgNM300 and AgNMPVP.  However, the responses occurred within different concentration 

ranges, with dissolved silver showing effects between 10-50µg/L, an order of magnitude lower 

than the AgNM, where effects were between 0.25-1.5 mg/L for the AgNM300 particle, and 0.5-

10mg/L for AgNMPVP. Elucidating that the relative difference in effect (reduction in the 

probability of a body reversal) on the locomotive behaviour of L.varigatus between the different 

forms of silver occurred within different concentration ranges is a novel finding.  However, the 

concentrations that impacted the worm’s behaviour occurred at much greater concentrations 

than is predicted in the environment, such that its environmental relevance is questionable.  The 

findings here are in line with other findings, where a concentration-dependant reduction in the 

probability of a successful body reversal was evident following exposure to the different forms 

of silver.  Other researchers have demonstrated that exposure to dissolved copper has caused 

changes in the locomotor behaviours of L.varigatus, where a reduction in successful body 

reversal was seen (O’Gara et al., 2004).  Studies have also demonstrated that nano forms of 

metals (Zinc oxide) have also impacted the successful body reversal of the blackworm 

(O’Rourke et al., 2015).  More recently, studies have also demonstrated that sublethal exposure 

to AgNM300 also causes a decrease in successful body reversals of the blackworm (Little, 2017).   

The findings showed that exposure to the silver caused bradycardia (slowed heart rate) in the 

zebrafish larvae.  For the AgNM300, a different effect was present, where tachycardia (increase 

in heart rate) for exposure of concentrations up to 1 mg/l was seen, then the effect caused 

bradycardia (slowed heart rate) for concentrations up to 3 mg/l.  The effect of the AgNMPVP also 

caused bradycardia (slowed heart rate).  Other researchers have also reported the effect of 

AgNM slowing the heart rate of zebrafish larvae.  Researchers have shown that zebrafish 

embryos exposed to AgNMPVP (35 nm: conc. 0.1-10 mg/L) caused a dose-dependent decrease 

in the heart rate in embryos exposed to 72hpf (Gao et al., 2016).  Others have also pinpointed 

that exposure to AgNM caused decreased blood and cardiac arrhythmia and decreased heart rate 

(Asharani et al., 2008).  The results here support that the mode of toxicity of AgNM within fish 

larvae is likely to be multimodal.  Such that disruption to ion-regulation from exposure is not 

likely to be the sole cause of death, such that mortality is partly contributed to by depressed 

heart rates, caused by silvers influence on the heart, resulting in diminished blood flow to the 
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brain and the spinal cord, as others have also highlighted (Asharani et al., 2008; Gao et al., 

2016; Massarsky et al., 2013). 

6.4.5 Relative effects of water hardness on different forms of waterborne silver toxicity 

The findings here supported that opposing general water hardness, with a contrasting CaCO3 

hardness of 25 and 250  mg/L, caused a difference in the waterborne silver (Ag) concentration-

mortality relationship for the tested species.  The causal mechanisms behind the observed 

differences in Ag mortality between soft and hard water were thought to relate to the influence 

of the different waters concentrations of major ions (anions and cations) in the different water 

types (such as Ca2+&Mg2+), i.e. between the contrasting tested waters of soft and hard.  Which 

will influence the aqueous phase speciation state of the silver and, in turn, modulate the bio-

accessible fraction, alongside the effect of Ca2+&Mg2+ ion competition, on metal uptake rates 

at the biotic ligand, i.e. the biological region of uptake such as the site of dermal exchange (skin 

surface or gill).  The contrasting waters used during exposures had different concentrations 

(tenfold differences) of significant anion and cations (Table 6.6), which are thought to interact 

with aqueous silver, such as by modulating the dissolved silver speciation state, i.e. control the 

proportion of the species that are present in the water column during exposure.  Specifically, 

the physicochemical modulations of dissolved silver will affect the fraction of bio-accessible 

silver (Ag) available to be taken up  (Huynh & Chen, 2011).  To investigate this, the silver 

speciation was modelled using Visual MINTECH (Figure 6.9); the findings from the model 

supported a difference in the effect of media type (soft vs hard) on the speciation state of 

aqueous silver (Ag).  The model also indicated that no silver precipitation occurred within the 

conditions used in the experiments.    

Table 6.6 Concentration of major ions within full strength and 10fold dilution of ISO medium used 

within studies. 

Ion Hard water (mg/l) Soft water (mg/l) 

Ca2+ 80.15 8.01 

Cl- 144.53 14.45 

Mg2+ 12.16 1.22 

SO4
2- 48.05 4.81 

HCO3
- 47.03 4.70 

Na+ 17.72 1.77 

K+ 3.02 0.30 
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Figure 6.9 The modelled speciation state of the dissolved fraction measured within our 

contrasting model waters for coated AgNMPVP&300 and waterborne silver (Ag).  

 

Contrasting water chemistry (hard vs soft) on aqueous AgNM toxicity to L.variegatus was 

insignificant for both tested particles.  Contrary to this, the contrasting general hardness (hard 

vs soft) was significant for both tested materials on D.rerio ZFL.  These differences in the effect 

of hard vs soft water on the toxicity between species were not expected.  The conjecture here 

was that contrasting water chemistry would affect AgNM concomitant dissolved fraction, 

similarly to what was believed to affect the positive controls speciation state (i.e. species of 

aqueous Ag in the water column).  Therefore Ag variable speciation state, in conjunction with 

the effects of the differences in hardness on the competitive uptake of metal ions (such as Ag), 

may play a protective role (from increased CaCO3) on the toxicity of metals (Bury, Galvez & 

Wood, 1999).  However, it was expected that the mechanism at play here would affect the 

toxicity of the AgNM to both the organisms similarly, and the findings here indicate that the 

effect of contrasting general water hardness affects the organisms differentially.  Other 

mechanisms that may play a role here are the contrasting general water hardness effects on the 

AgNM water column physico-chemistry, potentially changing their bioavailability to the 

organism (Fabrega et al., 2011).  Within colloid science, divalent ions such as Ca2+ are well 

known to facilitate changes in particle behaviour (particle agglomeration/aggregation), as 

demonstrated in AgNM (Li, 2011). Furthermore, Cl- has been demonstrated to encourage 

bridges between AgNM, forming AgCl- precipitates, mitigating the toxic effects of AgNM 

(Huynh & Chen, 2011).  One of the major components of the ISO medium, CaCl2, acts as a 

source of both Ca2+ and Cl- whilst the other salts (MgSO4, NaHCO3 and KCl) supply additional 

cations of Mg2+, K+ and Na+, respectively (Little, 2017).  The effect of contrasting water 

chemistry may be driving the differences in physiochemistry, which could regulate the 

waterborne toxicity of AgNM, differences between the species, to a more or lesser extent, as 
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was seen here.  In particular, the role that calcium carbonate, thiosulphate formation, and 

chloride ions have, along with an increase in silver-chloro compounds within hard water, are 

all likely mechanism that plays a pivotal role in the decreased toxicity of Ag&AgNM, within 

hard waters (Bielmyer, Brix & Grosell, 2008; Bury, McGeer & Wood, 1999; Karen et al., 1999; 

Wiseman et al., 2003).  

This finding supports that the degree of control general water hardness has on the AgNM 

waterborne toxicity is different between these phylogenetic organisms.  The difference between 

organisms was not present within the Ag (positive control) exposure, so this effect is nano-

specific.  However, the finding that contrasting general water harness did not affect waterborne 

AgNM toxicity to L.varigatus is possibly different from the Little (2017) finding, which 

demonstrated that high ionic strength water influenced the aqueous phase toxicity of AgNM300.  

However, notably, the conductivity that had apparent effects was higher than was tested within 

this work, and Little's (2017) results indicate that worms' AgNM toxicity is not greatly sensitive 

to changes in conductivity, such as the concentration tested here.  However, other work with 

different species supports that water hardness does affect the bioavailability and uptake of 

AgNM in a freshwater snail, where it was shown that uptake decreased with increasing water 

hardness (Stoiber et al., 2015).  Studies have also demonstrated that general water hardness can 

have a protective effect on AgNM zebrafish embryotoxicity (Karen DJ, Ownby DR, Forsythe 

BL, Bills TP, La Point TW & GB, 1999; Groh et al., 2014).  The level of control that water 

chemistry has on Ag&AgNM toxicity has also been shown to offer protection to other freshwater 

species, such as freshwater crustacean Daphnia magna and algae Raphidocelis subcapitata 

(Bianchini & Wood, 2008; Venkat & Amerson, 2016). 

6.4.6 Relative effects of humic acid on two forms of waterborne silver toxicity 

The effects of a selected concentration of model organic matter (10 mg/L) were tested on two 

forms of AgNM aqueous phase toxicity.  Results indicated that dissolved organic matter 

significantly reduces aqueous phase AgNM concentration response-relationships within L. 

variegatus for both selected particles.  This was not the case for D.rerio exposures, where a fold 

reduction in concentration-response relationships was only seen for JRC representative 

material.  The protective effect of humic acid was expected; however, the effect was predicted 

to be the same for both species.  This lack of effect of humic acid on AgNMPVP D.rerio exposures 

could be a coating effect, whereby researchers have reported that PVP coating may reduce 

humic acid interactions with AgNM, thus preventing its protective effects (Philippe & 
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Schaumann, 2014).  If this were the case, one would also expect a similar lack of protection in 

the worm exposures.  For D.rerio larvae, 10 mg/L of Suwannee River humic acid did not reduce 

the toxicity of AgNM in very hard water.  This indicates that humic acid's mode of action and 

influence on AgNM toxicity appear to be phyla specific, indicating the importance of testing 

effects on different taxonomic groups.  

The exact mechanism of how humic acid mitigates the waterborne toxicity of AgNM is not fully 

addressed within this work.  However, the mechanisms that can cause this effect are sometimes 

attributed to humic acid functional groups, i.e. carboxyl groups complexing components of 

AgNM, such as Ag, thus reducing their bioavailability, as researchers have indicated (Gao et 

al., 2009).  Humic acid can form complexes with ions commonly found in the environment, 

creating humic colloids that may potentially reduce the bioavailability and toxicity of AgNM300 

by chelating released ions (Uddin, 2017a).  However, the Capacity of humic acid to reduce the 

bioavailability of metal ions and therefore reduce toxicity has been suggested previously; humic 

acid has a high cation exchange capacity, and as a result, humic acid functions as a necessary 

ion exchange and metal chelating systems (Pettit, 2004; Uddin, 2017a).  The findings here did 

not support this mechanism, as the results testing the effect of humic acid on the dissolved Ag 

did not show a protective effect on either tested species within hard water.  Evidence indicates 

that AgNM are taken up into organisms, and the toxicity is not just caused by the dissolved 

fraction alone (Zhao & Wang, 2010; Luoma, Khan & Croteau, 2014).  This allows for a 

proportion of toxicity to come from the internalised AgNM themselves, provided they are 

systemically able to interact with biological mechanisms (McShan, Ray & Yu, 2014).  Surface 

modifications could modify this relationship and prevent the systemic bioavailability of 

internalised NM.  It is also known that internalised NM can further dissolve and undergo further 

intracellular surface modifications within organisms, thus altering their toxicity (McShan, Ray 

& Yu, 2014).  Another mechanism that may provide a protective effect is that humic acid can 

affect the water column aggregation state of AgNM (Gunsolus et al., 2015); alongside coating 

the particles, these effects could alter the interaction of the AgNM with the organisms, i.e. alter 

the particles attachment to the skin or gill, and thus reduce dissolution from the particle directly 

into the organisms (Farkas et al., 2010).   

6.5 Chapter conclusions 

In conclusion, the contributions made here are progressive for the field, as there is limited acute 

silver toxicity data within the literature for both the selected aquatic species.  All the silver 

materials of waterborne silver (Ag) and the two tested Ag-nano’s showed time-dependent 
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toxicity relationships.  The findings here ranked the tested materials as follows: Ag>AgNM300 

>AgNMPVP, ranking from most toxic to least toxic.  Generally, comparative LC50 -values from 

the literature were not derived in the same exposure medium. Therefore, variations seen for 

LC50 values of dissolved silver are most likely due to differences in freshwater composition 

and, to a lesser extent, variances in health and husbandry practices.  Overall, there are few acute 

toxicity concentration-response curves available within the literature for these species to 

compare these findings with, which makes this research a novel contribution in that it serves 

two purposes 1.  It provides a reference point to relate to for the very few studies out there, and 

2.  In particular, it further supports the establishment of L. variegatus as a relevant aquatic 

sediment-dwelling model organism.  This Chapter found that dissolved (Ag) silver was acutely 

toxic to both worms and early life stages of zebrafish, with LC50 values being very similar 

between species.  The two tested AgNM, had different LC50 values when contrasting between 

the different organisms; notably and unexpectedly, both tested AgNM were most toxic to the 

aquatic worm.  The trends seen here showed some apparent effects of the selected abiotic factors 

on the toxicity of dissolved silver (Ag) and AgNM noticeably. The effects of the selected abiotic 

factors differed between AgNM, and between the two-chosen species, specifically concerning 

the relative effects, the abiotic factor had on mortality. The findings from this chapter are 

summarised as follows: 1.  Aqueous silver (supplied as AgNO3) LC50 values are lower than the 

tested AgNM.  2.  AgNM are toxic in simple water matrices/systems; however, LC50 values for 

the AgNM in this study are higher than predicted/calculated environmental concentrations.  3.  

Aqueous phase AgNM toxicity in simple water matrices was considerably modulated by general 

water hardness and humic acid, and effects were organism specific.  4.  Environmental hazard 

of AgNM will be specifically dependent on the characteristics of the individual materials, which 

differs even for a single NM type such as AgNM, as different AgNM produce different toxicity 

and are regulated differently by environmental factors such as general water hardness and humic 

acid.  These findings have consideration for the attention of risk assessors concerning the 

different toxicological responses of different phylogenies, which showed differential tolerances 

to AgNM and environmental factors modulated the toxicity differentially between the tested 

organisms. 
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7 Chapter 7: The influence of organic and inorganic matter on the toxicity of 

AgNM to zebrafish larvae 
7.1 Introduction 

Natural freshwater systems consist of streams, rivers, ponds, and lakes; it is considered that 

some AgNM will persist within a waterbody's aqueous phase (Espinasse et al., 2018). 

Specifically, coated NM have surface ligands that provide stabilisation, such as PVP or 

dispersants such as tween 20.  Coated NM are more likely to make it through water treatment 

processes or originate from diffuse pollution, ending in the waterbody (Van Koetsem et al., 

2015). The environmental fate of AgNM in the aqueous compartments is determined by abiotic 

and biotic factors (Unrine et al., 2012). This means that once AgNM are within natural water 

bodies, they can interact and associate with natural particulates, colloids and ions, which 

transform AgNM from their original form, for better or for worse (Navarro et al., 2008; Aiken, 

Hsu-Kim & Ryan, 2011; Wang et al., 2019). These fate processes include interactions with 

sediments and their derived suspended particulates, dissolved inorganic and organic matter and 

natural monovalent and divalent electrolytes (King & Jarvie, 2012; Chappell et al., 2011; Peng 

et al., 2017). Silver nanomaterials, colloids, have physical properties that augment their 

reactivity and interaction with natural ligands (such as inorganic and organic matter) compared 

to other NM (Johnson et al., 2019; Gondikas et al., 2012). This is driven by the fact that ligands 

such as sulphur and chloride have a strong affinity for interacting with Ag ( in all forms - 

dissolved and nano) (Ellis et al., 2018b; Levard et al., 2011). Interactions of the components of 

freshwater systems can directly modify AgNM aqueous phase bioavailability and toxicity (He 

et al., 2019). However, the extent such interactions can modulate AgNM aqueous phase 

bioavailability and toxicity is still a current knowledge gap and requires ongoing evaluation 

concerning the relative importance of the different fate weathering processes have on AgNM 

waterborne hazards (Wang et al., 2019c; Suhendra et al., 2020).  

Freshwater Ha interacts with many mineral trace elements, with Ca2+ bridging known to 

enhance Ha interaction with other colloids and surfaces (Kloster & Avena, 2015). Natural 

ligands (Cu(II) and Ni(II), among others) interactions with Ha are known to modulate natural 

ligands' aqueous phase bioavailability (Kungolos et al., 2006; Ai et al., 2020). Natural ligand 

interactions with Ha occur because of Ha branch-like structure with functional groups with high 

cation exchange capacity. Due to Ha's abundance in freshwater systems, it makes it a vital ion 

exchange and metal chelating system (De Pablo, Chávez & Abatal, 2011a; Aini, 2014). As such, 
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Ha can form complexes with ions that are commonly found within freshwater systems, and 

these interactions can influence a ligand's dispersion behaviour, transport and, in turn, 

bioavailability and toxicity (Wilkinson, Nègre & Buffle, 1997; King & Jarvie, 2012; Väänänen 

et al., 2018). The influence of Ha on AgNM toxicity has been shown in some cases to be similar 

to its influence on other heavy metals, where Ha has been seen to reduce AgNM waterborne 

toxicity in fish and invertebrates (Cáceres-Vélez et al., 2019; Gao et al., 2012). However, little 

is known to what extent Ha influences the toxicity of AgNM within a multifactor system, such 

as in tandem with inorganic colloids.  

Clay minerals are formed by natural weathering processes and populate freshwater systems 

(Gupta et al., 2016). Clay minerals form up to 30% of the particulates of natural colloids within 

freshwater systems (Wilkinson, Nègre & Buffle, 1997). Characteristically, clay minerals consist 

of silica tetrahedral (T) and alumina octahedral (O) layers in a lamellar structure that results in 

patch-wise surface-charge heterogeneity, which results in both positive and negative charges 

on clay particles' surfaces (Uddin, 2017). In addition, like NM, clay particles also typically have 

large surface areas with a high quantity of reactive surface sites. Such properties give clay 

minerals a high sorption capacity for other substances, such as aqueous phase chemicals and 

heavy metals (Aboudi Mana, Hanafiah & Chowdhury, 2017). Studies have demonstrated that 

clay minerals can modulate aqueous phase concentrations of many heavy metals, such as 

copper, cadmium, lead, zinc, iron, arsenic, and mercury, among others (De Pablo, Chávez & 

Abatal, 2011). Clays are an important ion exchange system within the aquatic environment 

(Krikorian & Martin, 2005). Specifically, clays that have adsorbed heavy metals can act as 

vectors, resulting in a modified route to exposure to heavy metals for aquatic organisms (Gupta 

et al., 2017b).  

Our current understanding of clays' possible modifications to the exposure of NM is currently 

limited. However,  a few studies have demonstrated that clays' interactions with NM can alter 

their waterborne behaviour and toxicity, which in some cases has been shown to increase AgNM 

toxicity (Wang et al., 2015; Gupta et al., 2016, 2017a). Findings so far indicate that interactions 

of clays with AgNM have the potential to modify an organism's route to exposure via several 

mechanisms. For example, clay and NM heteroaggregate can form. When such mono& 

heteroagregates are ingested by aquatic organisms, it creates possible increased localised doses 

of AgNM within a freshwater organism, and has the potential to be re-solubilised within the 
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organism's digestive system due to its acidic environment. Such a phenomenon has already been 

demonstrated to occur with ingested aggregates of NM (Sohn et al., 2015; Artal et al., 2013). 

In addition, NM laden particulates of clay may increase the localised dose. When such payloads 

meet an aquatic organism's integumentary system (skin) or via contact with the gills of fish, or 

other routes of uptake, any adsorbed metals and NM may enter into an aquatic organism in 

greater doses, resulting in greater uptake and a faster onset of adverse effects (Van Den Brink 

et al., 2019a; Diez-Ortiz et al., 2015). However, it is worth considering that current studies have 

only demonstrated that certain clay types, such as montmorillonite, Bentonite and illite clays, 

have a high cation exchange capacity and a strong propensity to interact with metal ions, and 

NM have been seen to modify AgNM exposure. Such clays are not naturally the most abundant 

clay type in the environment (Uddin, 2017a). The few studies on this subject have also only 

demonstrated the effects of clay on NM waterborne toxicity within simple aqueous exposures 

and not within more complex exposure, such as in tandem with organic matter and other natural 

colloids.  

The most abundant clay form within an aquatic system is kaolinite clay (Wang et al., 2016, 

2015). However, kaolinite clay generally has a lower cation exchange capacity than other clays 

such as montmorillonite, Bentonite and illite clays. Therefore, its capacity to adsorb metal ions 

is lower than other clay types. However, this may be offset by its abundance within many 

different aquatic systems and the varying forms of crystalline structures present within the 

environment, which has been demonstrated to have very variable cation exchange capacity 

(CEC), with crystalline forms of kaolinite having a higher CEC (Aboudi Mana, Hanafiah & 

Chowdhury, 2017; Tombácz & Szekeres, 2006). In addition, the ion binding capacity of 

kaolinite clay is also strongly influenced by pH (Jiang et al., 2010). When these points are 

considered, interactions between NM and kaolinite clays still cause concerns within freshwater 

systems. The question of how kaolinite clay may influence the toxicity of AgNM within a 

singular and multifactor aquatic system, such as in tandem with organic colloids, still needs 

investigating to understand kaolinite's role in the influence on the waterborne hazard of AgNM.  

7.1.1 Objectives 

Understanding AgNM toxicity depends not only on knowledge of the influence of water 

chemistry on their fate and behaviour and exposure and hazard but also on developing 

knowledge of the importance of two of the most common environmental components, clay and 
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DOM, on the toxicity of AgNM. Not just by developing our understanding of how they act on 

toxicity as separate entities but also how they influence the waterborne toxicity of AgNM within 

a conjoined system, as this most naturally reflects scenarios within the aquatic environment. As 

such, this study aimed to investigate the potential for the interaction of an inorganic (kaolinite 

clay) and an organic dissolved matter (humic acid) to conjointly impact the relative toxicity and 

bioavailability of waterborne AgNM, to early life stages of ZFL, and to discuss the 

environmental ramifications of any such findings. As such, the aims and objectives were framed 

around; Investigating the effects of kaolinite clay (inorganic matter) on the mortality of AgNM 

within ZFL. Where the following hypothesise was addressed: 

H1: Co-exposure with model inorganic and organic matter (kaolinite clay & humic acid) and  

Ag+ will affect ZFL concentration-dependent mortality (increase and decrease, respectively). 

H2: Co-exposure with model inorganic, organic matter (kaolinite clay & humic acid) and AgNM 

will affect ZFL concentration-dependent mortality (increase and decrease, respectively).  

7.2 methods 

7.2.1 Stock preparations 

Dry powdered AgNM (PVP; 15 mg) were suspended in 50ml of MilliQ to make a 300 mg/l 

stock; then bath sonicated for 2 x 8mins (Temp: 20±2°C; Kerry, ultrasonic bath;36/66 kHz 

±10%). The stock was agitated by hand at 8min and the end of sonication. AgNM stocks were 

mixed before dosing using a polytetrafluoroethylene (PTFE)  stirring bar on a stirring plate.  

Fresh AgNM stock preparations were made for every new experiment and used within 2 hrs of 

preparation. Humic acid stocks were made by suspending 1 g/l of SRHa in MilliQ, which was 

then stirred overnight with a PTFE stirring bar on a stirring plate; following this, the pH was 

adjusted (pH7.3) with NaOH, and the stock was then topped up to a final volume of 50ml. 

kaolinite clay stocks were prepared by weighing 500mg of kaolinite clay, which was transferred 

into  50 ml of DI, sonicated for 2 x 8 mins with a vigorous shake in between,  then diluted with 

deionised water to a final volume of 500ml to give a working stock of 1g/l. The stock was then 

continually stirred to prevent sedimentation and settling of the clay.  

The test medium was prepared by adding analytical reagent grade salts sourced from Sigma 

Aldrich. ISO medium was made as described in the appendix of OECD, 225 (OECD, 2007). 

Briefly, 235.2g of Calcium chloride 2-hydrate (CaSO4.2H2O) was dissolved in a 20L container 

of MilliQ. The medium was then mixed using a stirring bar; following this, 98.6g of magnesium 
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sulphate heptahydrate (MgSO4) and 4.6g of potassium chloride (KCl) were added, then 51.8g 

of sodium bicarbonate (NaHCO3), 15-20 minutes intervals were left between the addition of 

each salt.  The medium vessel was continuously aerated, and new medium was made up every 

14 days. The pH of the test medium was adjusted to pH 7.5; adjustments were made during the 

preparation of the test concentration in small volumes. pH was adjusted either with NaOH or 

HCl (0.01M).  

7.2.2 Toxicity experiments 

The toxicity of the AgNM300 dispersant was assessed to determine whether it would influence 

toxicity. The dispersant was supplied as a diluted liquid with a concentration of 10.16% of 

material weight. The AgNM300 was also supplied as a liquid with 49.2mg/50ml of NM300. 

Therefore, the target weight for dispersant stock was 0.044mg. The dispersant stock was then 

prepared following the method for the AgNM300 stock (as described above). An amount of the 

dispersant was then dosed in an experiment with the equivalent concentration of dispersant 

within a 2mg/l AgNM300 experiment, which was established from previous experimental work 

(described in Chapter 3). Three concentrations of clay, 5, 60, and 100mg/l, were tested with the 

dispersant to assess whether the dispersant may play a role in the AgNM300 + kaolinite clay 

toxicity dose-response. All tests were run in triplicate.   

7.2.3 AgNM exposures with kaolinite clay  

Test concentrations and abiotic conditions were prepared for the dose-response experiments by 

adding the required amount of NM, humic acid, or kaolinite clay stock to the test medium from 

the master stocks (prepared as described above). Briefly, a volume of 27ml of O.E.C.D solution 

was pipetted into a 35ml beaker, along with one of four varying concentrations of NM300 

(0.75mg/l, 1mg/l, 1.5mg/l or 2mg/l) which were each tested against Five concentrations of 

kaolinite clay (5, 10, 20, 30, 60 mg/l). Ten ZFL  (72hpf) were added to the test tube in a volume 

of  35ml. The AgNM300 concentrations were 0.75, 1, 1.5,  and the concentrations of kaolinite 

clay added were 5, 30, and 90mg/l, and pure O.C.E.D medium was used as a negative control. 

The test was run in triplicate, and each experiment was repeated twice to give n=6 per test. 

ZFL's responses were recorded at the 24- and 48-hour time points via monitoring their 

swimming behaviour to light stimulus. The test was terminated at 96 hrs. 
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7.2.4 Statistical analysis 

Concentration-response curves were fitted using a standard two parameters sigmoidal fit in 

sigma plot and R, and LC10, 50, 90 values were calculated. At 24, 48, 72, 96 hrs, tables of 

survival and mortality were produced, and some medium parameters (i.e. initial and final pH 

and conductivity) were reported as mean±SEM. Statistical analysis and plotting of AgNM 

toxicity concentration responses were carried out using R. Data sets were tested for normality 

using a QQ plot, and data were checked for heteroscedasticity; data which were found to be 

non-normally distributed or heteroscedastic were box-cox transformed using the function in the 

DRC package (Ritz & Streibig, 2015). If this improved the data's normality, further analysis 

included the transformation. Logistic binomial models were fitted, LC50  descriptors were 

produced, and horizontal and vertical comparisons were made using the package 'drc' Version 

2.5-12 (Ritz & Streibig, 2015). In addition, for statistical contrasting of the effect of treatments 

on an entire concentration-responses profile, a GLM model of the argument:  model..= 

glm(Ndead/Ntried~conc+treat, family=binomial, data=….., weights=Ntried) was fitted; when 

relevant an interaction term was used, which was established using lrtest() argument. With the 

fit, differences between treatments were established using the 'Gmodles' (Version 2.16.2) 

package.contrast argument  (Warnes et al., 2015). 

7.3 Results 

7.3.1 Effects of aqueous phase kaolinite clay and humic acid  

ZFL  (72 hpf hatched) exposed to dissolved waterborne silver (Ag(I)) with and without the 

additions of kaolinite clay and humic acid both showed significant concentration-response 

relationships (Figure 7.1A&B).  There were no significant differences in detected LC50 values 

between waterborne dissolved silver (Ag(I)) treatments with or without the addition of clay or 

humic acid (drc, R package; AgLC50 vs Ag(I)+Clay or Ha, P>0.05;Table 7.1). A logistic 

regression model (GLM) contrasting the treatments dose responses also confirmed no 

significant difference was detected between aqueous Ag(I) and Ag(I) with the addition of clay 

or humic acid (GLM; fit.contrast function, R package; Ag(I) vs Ag(I)+Clay or Ha: P>0.05). 

Zebrafish larvae exposed to aqueous phase AgNM with and without kaolinite clay or humic acid 

revealed significant concentration-response relationships (Figure 7.1C&D). A significant 

difference in LC50 was evident between treatments when ZFL were exposed to AgNM with and 

without kaolinite clay or humic acid (drc, R package; AgNMLC50 vs AgNM+Clay or Ha, 



Chapter 7: The influence of organic and inorganic matter on the toxicity of AgNM to 

zebrafish larvae 

230 

 

P<0.05;Table 7.1). The addition of clay to the AgNM exposure caused an increase in toxicity 

(P=<0.05). A generalised linear model revealed that kaolinite clay significantly increased 

AgNM ZFL's waterborne mortality (GLM; fit.contrast function, R package, Clay; P=<0.05). In 

addition, Ha also influenced AgNM waterborne toxicity to ZFL, where a 10mg/l caused a 

decrease in toxicity; this decrease in toxicity was also significant (GLM; fit.contrast function, 

R package, Ha; P=<0.05). 

 

 

 

 

 

 

 

Figure 7.1 The effect of the addition of kaolinite clay and humic acid on Ag's (dissolved & NM 

forms) mortality concentration-response curves for D. rerio larvae (96hr exposure), where A) 

Shows an aqueous silver vs aqueous silver + kaolinite clay response curve; B) Show an aqueous 

silver vs aqueous silver + humic acid exposure-response; C) Shows AgNM vs AgNM +kaolinite 

clay and D) Shows AgNM vs AgNM+Ha. The result indicates no change in ZFL toxicity was 

apparent when clay and Ha and silver were co-exposed. However, a co-exposure of AgNM and 

clay or Ha resulted in a significantly increased or decreased toxicity response, respectively 

(GLM, P=<0.05). Data are reported as mean±SEM, a minimum of n=3. The used concentrations 

of kaolinite clay = 20 mg/l and humic acid = 10mg/l. 
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Table 7.1 The predicted lethal concentrations of treatments with and without inorganic and 

organic matter for ZFL exposed (96hrs) to AgNM. 

Best-fit 

values 
Ag(I) Ag(I)+Clay 

Ag(I)+Ha 
AgNM 

AgNM+C

lay AgNM+Ha 

LC50±95

%CI 

28.22±4.2 25.62±3.38 29.03±0.7

2 

1.62±0.1

83 

0.75±0.0

5 

3.014±0.

099 

Slope 
0.0642±0.0

756 

0.0769±0.0

556 

0.057±0.0

606 

0.845±0.

838 

3.3±1.40

1 

1.353±0.

456 

R squared 0.85 0.88 0.98 0.92 0.93 0.95 

Sum of 

Squares 

7145 5391 1080 5491 2304 2869 

  

7.3.2 D. rerio; Clay and Ha concentration-regression relationships 

Results of the effect of kaolinite clay concentration (nominal; 0-60 mg/L) on selected AgNM 

concentrations (nominal; 0.75, 1, 1.5 mg/L) indicated a significant positive linear regression 

relationship was present for all concentrations of AgNM tested, demonstrating there is a 

relationship between increasing kaolinite clay concentration and increasing AgNM toxicity 

to ZFL  (Slope, P=>0.05; Figure 7.2A). The different AgNM concentrations also showed 

different slopes between concentrations, suggesting that the influence of clay concentration 

was also different between AgNM concentrations (0.75 vs 1 vs 1.5 mg/l, P=<0.05).  

The results of the influence of humic acid concentration (nominal; 0-80 mg/L) on selected 

AgNM concentrations (nominal; 0.75, 1, 1.5 mg/L) indicated a significant negative linear 

regression relationship for all concentrations of AgNM tested, demonstrating that there is a 

relationship between increasing humic acid concentration and decreasing AgNM toxicity to 

ZFL  (Slope, P=>0.05; Figure 7.2B). Interestingly, the slopes between concentrations of 

AgNM were not significantly different, indicating that humic acid's influence was not 

different between AgNM concentrations (0.75 vs 1 vs 1.5 mg/l, P=>0.05). 
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Figure 7.2 The effect of inorganic and organic matter concentration on the mortality of three 

concentrations of aqueous phase AgNM (0.75-1.5mg/l; 96hrs exposure) to Danio rerio larvae. A) 

Inorganic matter = kaolinite clay, B) organic matter= humic acid. 

 

7.3.3 D. rerio; Co-effects of kaolinite clay and humic acid on AgNM mortality 

Once again, in this experiment, humic acid (30 mg/L) was seen to significantly reduce the 

toxicity (P=<0.05) of all concentrations of AgNM (0.75, 1, 1.5 mg/L) within ZFL exposures 

(Figure 7.3). The influence of Ha caused a fall in mortality from 13.3±4.94 → 0% to 48.33±9. 

→10%, and from 61.67±7.92 → 11.67±7.49% for the respective concentrations of AgNM. 

The effects of the addition of kaolinite clay (30 mg/L) once again resulted in a significant 

increase (p=<0.05) in ZFL mortality. The increase in mortality between treatments was found 

to shift from 13.33±8.33 → 63.33±4.22%, from 48.33±9.1 → 73.33±7.15% and 61.67 → 

7.92<83.33±5.58 for the respective concentrations of AgNM (Figure 7.3). Experimental 

results for testing the co-effects of treatments (5&30 mg/l clay+humic acid) on ZFL 

M
o

rt
al

it
y 

(%
)

Concentration (log mg/l)

HA

Kaolinite clay

A

B

0.0 0.5 1.0 1.5 2.0

0

10

20

30

40

50

60

70

80

90

100

0.75 mg/l

1 mg/l

1.5 mg/l

0.0 0.5 1.0 1.5 2.0

0

10

20

30

40

50

60

70

80

90

100

0.75 mg/l

1 mg/l

1.5 mg/l



Chapter 7: The influence of organic and inorganic matter on the toxicity of AgNM to 

zebrafish larvae 

233 

 

mortality only indicated a significant difference from the AgNM 1 mg/L treatment (Figure 

7.3) relative to the control group.  

 
Figure 7.3 The effect of a co-exposure of kaolinite clay (5, 30 mg/l) and humic acid (5, 30 

mg/l) on the mortality of aqueous phase AgNM to D. rerio larvae (48hr exposure). Data 

presented as mean±SEM, n=6. *=0.05, ***= <0.01 indicate they are significantly different 

to the control. Ctr = control, units = mg/l, c= kaolinite clay, Ha=humic acid. 
 

7.4 Discussion 

7.4.1 Effects of clay and Ha on silver (Ag(I)) toxicity 

Findings demonstrated that the addition of kaolinite clay to ZFL exposed to aqueous phase 

dissolved Ag(I) did not increase nor decrease ZFL mortality. This was not as was expected 

as the hypothesis was that it would increase ZFL mortality. This was based on the conjecture 

and theories from the literature that indicated that the cation exchange capacity of clay 

minerals such as kaolinite would result in the binding of aqueous phase metals, including 

dissolved Ag(I) (Constantino et al., 2017; Mishra S. P, 2014; Kyziol-Komosinska et al., 

2020). As such, surface accumulation of Ag(I) onto kaolinite clay was thought to potentially 

increase the localised dose (via a pre-concentration mechanism), meaning that when a 

complex of clay+Ag(I) interacts with the ZFL, a higher dose may be available for uptake 

(Constantino et al., 2017). A similar mechanism has been demonstrated to occur when ionic 
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mercury (Hg2+) interacts with C60 fullerenes, increasing the localised toxicity of Hg2+ to 

ZFL (Henry et al., 2013). However, the findings from this study demonstrated that any 

interaction of clay with aqueous Ag(I) does not appear to influence ZFL waterborne 

mortality. This might be due to kaolinite clay having a low cation exchange capacity or 

binding capacity at the OECD medium's relatively neutral pH of 7.3, which may mean the 

heterogeneous surface charge of the clay, is not be polarised enough to attract a high 

concentration of sorbed ionic Ag(I) to have a biological effect, at this pH. It may also be that 

the Ag(I) is outcompeted by the Ca2+ and Na2+ cations for adsorption, as others have 

suggested may occur within natural waters (Kyziol-Komosinska et al., 2020). The finding 

that Ag(I) was not influenced by the presence of kaolinite clay holds significant ramifications 

for how AgNM concomitant dissolved fraction of Ag(I) species will interact with a ubiquitous 

environmental clay within a close to neutral pH, within a hard water system. This is a novel 

finding that has not been previously reported. However, it is crucial not to rule out that within 

other water types (with varying composition and concentrations of electrolytes and pH, as 

well as different ratios of clay type), water chemistry driven chelation mechanismon may 

influence the concetration and bioavailability AgNM concomitant dissolved fraction  

negatively , and result in increased toxicity to freshwater organisms. . 

The other contrasting hypothesis was that adding kaolinite to Ag(I) waterborne exposure of 

ZFL may decrease the toxicity, and the findings also did not support this hypothesis. The 

rationale behind this was that adsorption of Ag(I) onto the clay particles would reduce the 

bioavailable free Ag(I) in the water column as it sedimented, and therefore reduce ZFL 

waterborne mortality, as others have demonstrated occurs when other forms of ionic metals 

such as Cu2+ interact with different forms of waterborne NM (Patsiou et al., 2019).  

The influence of Ha on the waterborne Ag(I) toxicity to ZFL was also found to not occur 

within the O.E.C.D hard water used in this study. This was also the finding in Chapter 7 

results, where this topic is covered and discussed in more detail. However, concentration-

response findings of Ag(I)+Ha were included here to complete the foundation of the 

influences of clay and Ha as single factors before exploring the results of these factors within 

a ZFL multifactor exposure experimental design (such as AgNM/diss+Ha+Clay). The 

findings were again not as would be expected, as the working hypotheses within the literature 

suggest that the binding/chelation capacity of Ha would also sequester dissolved Ag(I) from 
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the water column, as others have demonstrated (Ratte, 1999; Erickson et al., 1998; Karen et 

al., 1999). The fact that the findings in this study are not in line with others might relate to 

the concentration of Ha that was used (10 mg/l), which might not be a high enough 

concentration (i.e. having limited receptors for binding the free Ag(I)) to bind enough Ag(I) 

cations to have an impact on ZFL mortality.   

7.4.2 Effects of clay and Ha on AgNM ZFL mortality 

Silver nanomaterial (AgNM) co-exposure with kaolinite clay increased ZFL mortality. The 

effects of clay on AgNM toxicity depended on the clay's concentration, where a positive 

relationship was evident. However, the effect of clay on ZFL mortality plateaued when the 

clay reached concentrations of 30-60 mg/L, where further addition of clay did not appear to 

increase ZFL mortality. This might be to do with the AgNM+clay interaction chances 

becoming saturated as the number of clay particles becomes much greater than the number 

of AgNM particles. The present results support that AgNM, has a mechanism of interaction 

with kaolinite clay, which increases AgNM bioavailability to ZFL. The capacity for clays to 

alter heavy metal toxicity has been previously reported by others, where clays have been 

reported to alter the bioavailability of ionic copper (Cu2+) and other ionic metals (Blake, 

2012; Uddin, 2017b; Mishra, 2014; Mustapha et al., 2017).  

The finding of the influence of kaolinite clay on ZFL AgNM mortality does align with others' 

findings, who previously demonstrated that montmorillonite clay and AgNM interactions 

increased AgNM waterborne toxicity (Gupta, Dhawan & Shanker, 2016). The fold increase 

of ZFL mortality within the AgNM+clay treatment in this study resulted in a 1.8-fold increase 

in toxicity, similar to the fold (1.9) increase in ZFL mortality seen in Gupta et al. (2016) 

study from the AgNM+montmorillonite co-exposure. However, the contribution from this 

study builds on Gupta, Dhawan & Shanker's (2016)  findings by assessing the effects of a 

previously not tested clay, kaolinite, one of the most abundant mineral clays within the 

environment (Kyziol-Komosinska et al., 2020). In the present study, the influence of clay 

was investigated more extensively by looking at the influence on AgNM as a function of the 

clay concentration. And as a function of the AgNM concentration. The study was undertaken 

later in ZFL development (96hr vs 24hrs in Gupta's study), which has not been done 

previously. This is a different developmental stage than zebrafish embryos, i.e. after they 

have hatched from the chorion, which is believed to be the most vulnerable fish larvae stage. 



Chapter 7: The influence of organic and inorganic matter on the toxicity of AgNM to 

zebrafish larvae 

236 

 

Concerning the mechanism causing an increase of toxicity within co-exposure of 

AgNM+clay was related to clay interacting with AgNM concomitant dissolved fraction. This 

was not supported as no relative difference in ZFL mortality was present between the 

dissolved silver Ag(I) vs (Ag(I))+clay exposures. On the same topic, Gupta, Dhawan & 

Shanker (2016) used TEM images to demonstrate that their experiments' likely mode of 

action was due to the hetero-aggregation of AgNM with clay particles. Specifically, they 

suggested that this was the mechanism that led to AgNM+Clay complexes having more 

significant toxicity to zebrafish embryos. Another recent study also demonstrated that clay 

minerals, including kaolinite, have a high affinity for binding AgNM on heterogeneous 

surfaces of clay particles (Kyziol-Komosinska et al., 2020). Although montmorillonite is 

thought to have a greater cation exchange capacity than kaolinite (Uddin, 2017a), Kyziol-

Komosinska et al. (2020) study produced evidence that supports that a mechanism of the 

formation of AgNM+kaolinite clay complexes exists, which likely explains the increased 

ZFL mortality seen within this study. The AgNM is thought to be firmly bound to the active 

centres of the clay particles (Kyziol-Komosinska et al., 2020). This effect could create an 

increased localised dose of AgNM when the ZFL contact these complexes within the water 

column and sedimented fractions. Such a mechanism has already been demonstrated to occur 

with other ionic metals and NM (Anon, 2012; Henry et al., 2013).  AgNM-particle 

interactions are pH and ionic strength dependent (Gupta et al., 2016; Uddin, 2017a). The 

current study's water chemistry conditions represent freshwater streams, meaning that similar 

increases in AgNM mortality to wild-type ZFL due to interaction with clay may occur within 

the environment. These findings have implications for AgNM risk within freshwater 

environments, and regions with an abundance of colloidal clays present may put freshwater 

organisms at significant risk from AgNM. 

Silver nanomaterial (AgNM) concentration-response co-exposure with Ha resulted in a 

relative decrease in ZFL mortality. The effects of Ha on AgNM ZFL mortality were also 

dependent on the concentration of the Ha, where a regression-based experimental design 

showed that negative regression was evident. Increasing the concentration of Ha decreased 

ZFL mortality from exposure to AgNM. This could be due to the adsorption of Ha onto the 

waterborne AgNM, which has been shown to reduce the surface reactivity of NM (King & 

Jarvie, 2012; Cáceres-vélez et al., 2018), and also reduce the binding capacity (adhesion) of 
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the AgNM to an aquatic organism body surface (Kansara, Kumar & Karakoti, 2020). This 

study's results align with other studies that have demonstrated that AgNM+Ha exposure 

resulted in reduced toxicity (Cáceres-Vélez et al., 2019; Gao et al., 2009; Ramirez-Garcia et 

al., 2011; Kansara, Kumar & Karakoti, 2020). However, it is also important to highlight that 

the influence of Ha on AgNM exposures to aquatic organisms can be highly variable, as the 

interactions are influenced by pH (Kansara, Kumar & Karakoti, 2020; Yang et al., 2013), 

and this worked only tested one pH (7.3±2), a pH which represents a common freshwater 

throughout the UK and Europe.  

Results demonstrated that Ha (20mg/l) had no influence on Ag (dissolved) ZFL morality 

under the tested water chemistry. These results demonstrate that Ha's influence on AgNM 

toxicity within these conditions does not solely relate to a mechanism that acts on the 

dissolved fraction alone, and this is an essential point for further consideration. The finding 

then supports that the mechanism is due to Ha's influence directly on the particles themselves, 

which in turn then indicates that it is not just the dissolved Ag that is responsible for AgNM 

toxicity, as others also advocate in their review of the subject (Luoma, Khan & Croteau, 

2014). In other words, this is evidence of a nano-specific effect.  

7.4.3 Co-effects of kaolinite clay and humic acid on AgNM mortality 

A multifactor ZFL exposure to waterborne AgNM, kaolinite clay and humic acid provided 

an opportunity to assess how the previous single-factor trends of increased ZFL mortality 

with kaolinite clay and reduced ZFL mortality with humic acid would be modified under 

joint exposure conditions. This exposure scenario represents an environmental model of 

AgNM aqueous phase exposure. The findings demonstrated that exposure of ZFL to AgNM 

with the addition of kaolinite clay and Ha appeared to an extent to ameliorate ZFL mortality, 

with the ZFL AgNM+Koalinite+Ha mortality profile looking very similar to the control 

group.  The exact mechanism behind this is unknown. However, it has been proposed that 

interactions of AgNM with Ha are responsible for modifying the surfaces of the NM particles, 

which is thought to reduce their reactivity (Cheng et al., 2018). Such modification between 

AgNM+Ha may also modify how AgNM interacts with clay particles via possibly reducing 

clay's ability to perform a pre-concentration mechanism of the AgNM onto clay particles' 

surfaces, as others have demonstrated (Constantino et al., 2017; Kyziol-Komosinska et al., 

2020). This explains how Ha interactions with AgNM would reduce clays' ability to enhance 
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AgNM toxicity. In addition, Ha may also be interacting directly with clay particles modifying 

clay particles' surfaces (via charge interactions  between clays positive faces and Ha negative 

functional groups), such a reaction could compete with AgNM interactions with clays, and 

reduce the number of binding sites for the chelation of AgNM (Ohashi & Nakazawa, 1996; 

Sabah & Ouki, 2017). If such mechanisms are routinely active, this may explain the influence 

the co-exposure of Ha and clay on AgNM toxicity to ZFL seen in this study.  

Findings from this study fall in line with others' work, which also tested the effect of the 

influence of two abiotic factors (Ha and Clay – montmorillonite – note different clay type) 

on different types of NM (TiO2NM & CuONM) and their toxicity to Zebrafish embryo's 

(Kansara et al., 2019; Kansara, Kumar & Karakoti, 2020). Their studies also found that NM 

co-exposure with Ha and clay mitigated TiO2NM & CuONM waterborne toxicity and 

reduced the developmental of zebrafish embryos (early hatching, edema, ROS generation) 

caused by NM exposure. The work results from the current study present novel finding of 

the influence of multiple abiotic factors on AgNM toxicity. It provides an opportunity for the 

focus of further studies, where further elucidation of AgNM interaction with clays humic acid 

and the interaction of clays with Ha is required.  

7.5 Synthesis and Conclusions 

In conclusion, findings in this study demonstrated that ZFL toxicity from exposure to 

waterborne Ag(I) within OECD hard water was not modified by moderate concentrations of 

either kaolinite clay (15mg/l) or Ha (10mg/l). A regression-based approach supported that 

kaolinite clay increased, and Ha decreased ZFL waterborne AgNM toxicity, which occurred 

in a concentration-dependent manner within single abiotic factor experiments. Experiments 

also indicated that the mechanism of kaolinite clay's ability to increase the waterborne 

toxicity of AgNM to ZFL is related explicitly to effects driven by interactions of clay particles 

with AgNM particles themselves instead of interactions of clay and Ha particle with AgNM 

concomitant dissolved fraction. Finally, the influence of both Ha and kaolinite clay on AgNM 

ZFL toxicity within a co-exposure showed a reduction in  ZFL waterborne morality. Such 

that ZFL exposed to AgNM in the presence of both Ha and clay had a similar toxicity profile 

to ZFL exposed to AgNM without clay and Ha. Thus, AgNM toxicity in the presence of 

AgNM+Ha+clay did not alter significantly within a simple soft-freshwater model system 

compared to the control group. However, it is vital to bear in mind that ZFL exposure to 
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waterborne AgNM, in addition to Ha and clay, still resulted in mortality and did not 

completely mitigate the risk; therefore, exposure to AgNM is an ongoing critical 

environmental concern. It would be interesting to test the role of pH in modulating 

AgNM+clay+Ha interactions more extensively in relation to toxicity, and whether additional 

environmental factors within multifactor exposures may further mitigate AgNM hazard 

remains to be tested. 
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8 Chapter 8: Testing waterborne AgNM exposure, via a simulated biotic-

abiotic interface, contrasting; lentic and lotic and sediment scenarios 
8.1 Introduction 

Given the widespread use and exponential expansion of NM in many applications, their release 

into the environment is inevitable (Klaine et al., 2008).  Evaluating the risk of waterborne ENM 

within freshwater streams and lakes is dependent on understanding the modulating effects of 

physical and chemical processes (abiotic influences) on ENM behaviour, such as colloidal 

stability (physicochemical properties and behaviour), particle speciation (core transformation, 

e.g., Ag→AgCl or AgS), and NM transport processes within and between water bodies and 

environmental compartments. NM interaction with the environment results in particle ageing, 

which leads to particle modifications and alterations in their aqueous phase behaviour. The 

influence of ageing NM is critical in determining AgNM exposure to aquatic organisms. 

Therefore, assessing AgNM exposure is challenging as there are many factors to influence it. 

Silver nanomaterial exposure is also modulated further at the organism level. Furthermore, 

biota’s variability in uptake mechanisms (i.e., an organism-specific route and rate of uptake – 

biodynamics), and AgNM systemic bioavailability, also control the hazard AgNM pose. 

Therefore, this drives differences in the impact that AgNM may have within different aquatic 

environments and species. 

Consequently, the effect that AgNM may have is location- and species-specific, suggesting that 

the modulation and assessment of NM exposure, bioavailability, and toxicity within freshwater 

systems are not universal. Inevitably, this makes accurately predicting and assessing the risk 

and impact of AgNM within the freshwater ecosystem a challenge. Predicting the implications 

of AgNM in freshwater environments involves a comprehension, identification, and 

enumeration of specific processes, which are crucial to modulating AgNM fate, and 

bioavailability. This needs to be considered carefully, alongside being able to translate these 

processes into descriptors or coefficients for producing applicable predictive models (Praetorius 

et al., 2014).   

8.1.1 The influence of the abiotic-biotic interface on AgNM exposure & risk 

As stated above, the evaluation and assessment of exposure to AgNM within freshwater 

environments is a complex, multifaceted problem undertaken by multiple science disciplines, 

and research efforts are generally framed around the following:  1. Studies that focus on 

empirically defining the effects of abiotic influences on the fate and behaviour of aqueous phase 

AgNM (ageing) (Zhang et al., 2016; Auvinen et al., 2017; Baalousha, Afshinnia & Guo, 2018), 

2. Studies that assess the impact of particle ageing on NM biohazard (Spurgeon, Lahive & 
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Schultz, 2020; Schultz et al., 2018; Abdolahpur Monikh et al., 2020) 3. Studies combine both 

approaches (Yang et al., 2019; Huang et al., 2018).  Nanomaterial fate and behaviour studies 

have focussed on determining what fate descriptors are appropriate for gaging NM fate and 

behaviour (Cornelis, 2015; Baalousha et al., 2016; Koelmans et al., 2015). The nano-scientific 

community has discussed the suitability of conventional fate descriptors (Praetorius et al., 2014; 

Suhendra et al., 2020). For example, the application of the octanol-water partition coefficient 

(Kow; a measure hydrophobicity) and the soil–water distribution coefficient (Kd) were 

developed to define the characteristic behaviour and risk of conventional pollutants within 

environmental compartments (such as organic contaminants), but these coefficients have been 

demonstrated to give mixed and inconclusive results for NM (Cornelis, 2015; Praetorius et al., 

2014; Crandon et al., 2020).  

 These studies have identified issues with conventional fate descriptors because NM do not 

behave the same way as conventional contaminants within solvents (Li et al., 2022). NM 

typically show more complex behaviour, where they do not form repeatable equilibria or easily 

measurable partitioning behaviour, indifference to other lipophilic or hydrophobic compounds 

(Praetorius et al., 2014; Li et al., 2022). As a result of these issues, researchers have focused 

their efforts on establishing adequate equilibrium descriptors for AgNM,  such as Praetorius et 

al. (2013), who have argued that settlement and attachment coefficients are more suitable 

predictors for NM than partitioning coefficients for predicting the risk that NM poses within 

our aquatic ecosystems.  As such, for evaluating the influence of abiotic NM fate, many studies 

have approached their environmental risk assessments by defining coefficients, which have 

specifically been found to relate to the environmental modulation of NM fate and behaviour, 

such as particle attachment efficiencies, zeta potential and water column flocculation state 

(Westerhoff & Nowack, 2013; Arvidsson et al., 2018; Suhendra et al., 2020). 

Studies have addressed how NM interacts with an organism, what key factors control these 

interactions, and what kind of trends and relationships can be established. A general assumption 

within aquatic ecotoxicology is that there is a causal relationship between a toxicant's 

waterborne concentration (here AgNM) and the amount taken up into the tissue of an organism 

(Newman & Unger, 2003; Luoma, Khan & Croteau, 2014). The relationship between water 

concentration and organism uptake is a premise that researchers are investigating to determine 

the relationship for NM, which needs further elucidation as results are variable (Van Den Brink 

et al., 2019b).  Several studies have demonstrated the relationship between NM aqueous phase 

exposure concentration and the body burden of NM within invertebrates  (Stone et al., 2015; 

Skjolding et al., 2014; Wu et al., 2020; Kuehr, Kosfeld & Schlechtriem, 2021).  For example, 
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Khan et al. (2015) demonstrated that waterborne AgNM resulted in concentration-dependent 

tissue burdens for the aquatic oligochaete worm Lumbriculus variegatus within waterborne 

exposures. In a similar fashion to the discussion of the relevance of conventional fate 

descriptors for assessing NM, established bioavailability markers, such as bio-concentration 

factors (BCF), bioaccumulation (BA) or body burdens (BB),  have been applied to evaluate the 

environmental risk of conventional contaminants,   are also being assessed for their suitability 

of evaluating NM bioavailability (Selck et al., 2016; Petersen et al., 2019). However, concerns 

about their suitability have been raised regarding their transferability (BCF&BA&BB) for 

assessing waterborne and sediment exposure involving NM (Praetorius et al., 2014, 2013; 

Cleveland et al., 2012; Hendren et al., 2013). Frequent views highlight that NM may exhibit 

thermodynamically unstable behaviour where no equilibrium is formed, suitably termed the 

road to nowhere by Praetorius et al. (2014), which may render BCFs unsuitable for assessing 

NM bio-concentration. Despite these concerns, researchers have still applied these methods for 

comparative studies on the bio-concentration of free silver (Ag+) and AgNM using zebrafish 

larvae  (Danio rerio) (López-Serrano et al., 2014).  Findings from these authors demonstrated 

that ionic silver was more accumulative in ZFL than AgNM. In addition, AgNM biodynamics 

has also been studied in other fish models, such as Japanese medaka (Oryzias latipes) (Jung et 

al., 2014) and the Common Carp, Cyprinus carpio (Jang et al., 2014). To further elucidate the 

suitability of current practices for assessing exposure and bioaccumulation of AgNM, further 

studies are required that use integrative testing; that closes the gap between AgNM toxicity in 

lab studies and the influence of environmental factors on an organism’s tissue body burdens.  

In addition, the toxicokinetics of AgNM, and their activity within organisms are not fully 

understood.  Moreover, NM reactivity or bioavailability can be modified within the 

environment by NM forming surface modifications (oxidation or sulphidation), forming an 

‘eco-corona’ or via particle core speciation (Spurgeon, Lahive & Schultz, 2020c). Once 

internalised within an organism, any prior NM ageing will influence its systemic reactivity – 

the ability to harm. Systemically, AgNM have been shown to induce a range of adverse effects, 

such as oxidative stress, growth inhibition, and enzyme inhibition, to name a few  (Manke, 

Wang & Rojanasakul, 2013; Maurer-Jones et al., 2013; Behra et al., 2013; Zhao et al., 2021b).  

In addition, several studies have demonstrated that detoxification mechanisms are induced 

following exposure to aqueous AgNM. For example, one defence response is for the organism 

to increase the concentration of metal carrying proteins within its cells (Shaw & Handy, 2011; 

Hauser-Davis et al., 2012; Choi et al., 2010).  Metal carrying proteins are involved with the 

storage and transport of intracellular heavy metals and AgNM (Andrews et al., 2011; Choi et 
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al., 2010).  As genes code for proteins, studies have also demonstrated that the uptake of metals, 

including silver, has resulted in concentration-dependent upregulation of Mt2 gene expression 

(mRNA), which can be utilised as a biomarker of exposure. Researchers have also successfully 

applied  Mt2 mRNA, relative expression, to compare the influence of varying exposure 

scenarios using Mt2 mRNA as an indicator of metal bioavailability (Henry et al., 2013; Patsiou 

et al., 2019). Other studies have demonstrated that Mt2 transcripts (Mt2) have also been induced 

by AgNM and dissolved silver exposure in zebrafish embryos (Osborne et al., 2012; Boyle & 

Goss, 2018). Such studies pave the way and support that targeted gene expression (mRNA) can 

assess metal bioavailability within varying exposure scenarios using ZFL as an investigative 

exposure tool.  

8.1.2 The relevance of simple lab-based assessments of NM biohazard  

The environmental relevance of single-factor laboratory studies has often been questioned 

concerning how arcuately they represent environmental phenomena and how reliably generated 

coefficients reflect the actual environment (Hjorth et al., 2017).  To address this, multifactor 

studies can be used. For example, laboratory streams have been used for assessing the toxicity 

of re-suspended contaminated sediments containing polycyclic aromatic hydrocarbons (PAH) 

within simulated flood scenarios (Brinkmann et al., 2010).  In addition, Brinkmann et al.  (2010) 

multi-factor study also applied gene expression as a biomarker of exposure; to evaluate if 

resuspended sediments spiked with PAH were bioavailable to fish. This approach enabled the 

authors to understand the toxicological impacts of flood events, where sediment-bound PAH 

was released into the water column during a simulated spate event. Findings supported that 

resuspended PAH was bioavailable to rainbow trout. In addition, Hillwalker, Jepson & 

Anderson (2006) studied the bioavailability of metal directly in the aquatic environment. Their 

field study investigated the differences in the bioaccumulation of selenium within insects. This 

study contrasted natural hydrogeochemical influences on selenium bioaccumulation within 

quiescent and turbulent aquatic systems. Hillwalker, Jepson & Anderson's (2006) studies of 

selenium bioaccumulation identified differences in tissue burdens between quiescent and 

turbulent aquatic systems, attributed to differences in hydro-geochemical modulation of the 

exposure and bioavailability within contrasting mixed and static freshwater systems.  Field 

studies are problematic for NM, due to the analytical and other ethical issues with directly using 

natural environments for testing NM, alongside issues in producing tangible results from field 

studies.  In conclusion, there is a need to develop novel, comprehensive and integrative 

approaches to produce empirical data that tangibly assess the combined effects of the physical-
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nano-bio interface by generating environmentally relevant scenarios to make accurate links 

between exposure, and bioavailability, bioaccumulation, and toxicity.   

8.1.3 Aims and objectives & research questions and hypotheses 

This body of research aimed to empirically test how freshwater processes may differentially 

modulate the waterborne exposure and bioavailability of AgNM and its concomitant dissolved 

fraction by implementing an environmentally integrative multifactor test system and using 

Zebrafish larvae as a model organism of exposure. The novelty of this research relates to using 

experimental test systems (laboratory simulated streams - flumes), which simulate 

environmentally relevant dynamic scenarios that are thought to modulate the exposure of 

waterborne AgNM.  In particular, this research aimed to assess how contrasting hydrology (low 

shear turbulent flow vs quiescent conditions) differentially influences ZFL exposure to 

waterborne AgNM. The underpinning/background in the physical behaviour of AgNM within 

the water column was established extensively in Chapters 3-5 where it was presented, that 

turbulent flow generated a difference in the fate of waterborne AgNM, in contrast to a quiescent 

condition. In essence, the approach adopted here aimed to pilot the suitability of small-scale 

flumes to assess the degree of influence of contrasting lentic and lotic conditions and an 

assemblage of factors (inorganic and organic matter) on ZFL AgNM bioavailability. The study 

also aimed to assess the suitability of using acute whole-body bioaccumulation (48hrs body 

burdens), bioconcentration factors (BCF) and gene Mt2 expression as a biomarker of exposure. 

This study aimed to close the gap in our understanding of AgNM single-factor laboratory studies 

and the few field studies that have been undertaken. 

8.1.3.1 Research questions, objectives, and hypotheses 

Research questions: 

1. What freshwater environmental conditions (abiotic) will lead to a higher risk from 

aqueous phase AgNM?  

2. Do flowing and static environments have differing consequences for AgNM exposure 

and bioavailability?  

3. What are the combined effects of physical and chemical processes (ageing; time) on 

AgNM exposure and bioavailability? 

Hypotheses: 

The following hypotheses were the premises for this Chapter’s work, where the modified 

conditions were tested relative to a ‘baseline’ or simplistic exposure scenario of a quiescent 

(static) waterborne exposure such as found in lentic environments. The series of experiments 

were designed around the additional overarching hypothesis ‘That the effects of turbulent flow, 

the addition of inorganic and organic matter and the presence of a non-cohesive sediment as a 

function of time, would effectively decrease the total water column silver concentration and 
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therefore the bioavailability and bioaccumulation of waterborne AgNM as a function of 

treatment and time’.  This hypothesis was postulated by making links between differences in 

the behaviour of the water column AgNM and the bioaccumulated fraction within ZFL. Then 

relate this to any changes in systemic bioavailability by using Mt2 expression as a biomarker 

of exposure.  

1. Null hypothesis:  A waterborne exposure of dissolved silver (Ag+) and AgNM will not 

induce Mt2 gene expression in a concentration-dependent manner. 

Alternate hypothesis: A waterborne exposure of dissolved silver (Ag+) and AgNM will induce 

Mt2 gene expression in a concentration-dependent manner. 

2. Null hypothesis: Turbulent flow will have no differential effect on the bioaccumulation 

or systemic bioavailability of waterborne AgNM. 

Alternate hypothesis: Turbulent flow will have a differential effect on the bioaccumulation 

and systemic bioavailability of aqueous phase AgNM. 

3. Null Hypothesis: Organic and inorganic matter and non-cohesive sediments will show 

no effect on the bioaccumulation or systemic bioavailability of aqueous phase AgNM 

Alternate hypothesis: Organic and inorganic matter and non-cohesive sediments will show an 

effect on the bioaccumulation or systemic bioavailability of aqueous phase AgNM 

4. Null hypothesis: There will be no difference in bioaccumulation & systemic 

bioavailability between flow regimes, and the combined effects of turbulent flow, inorganic and 

organic matter, and non-cohesive sediment interactions as a function of time, will show no 

effect on aqueous phase AgNM bioaccumulation and bioavailability. 

Alternate hypothesis: There will be a difference in bioaccumulation & systemic bioavailability 

between flow regimes, and the combined effects of turbulent flow, the addition of inorganic 

and organic matter, the presence of non-cohesive sediment interactions and the function of time 

will show a differential effect on the bioaccumulation and bioavailability of waterborne AgNM.
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8.2 Methods 

8.2.1 Nanomaterials (NM) and chemicals 

AgNM300 series were obtained from the European Joint Research Centre.  NM was supplied 

as a nano-silver colloidal dispersion with a nominal silver content of 10%w/w and size 

distribution of NPs of < 20 nm.  The NM-300 sample dispersion is an aqueous dispersion of 

nano-silver with stabilising agents, consisting of 4% w/w each of Polyoxyethylene Glycerol 

Trioleate and Polyoxyethylene Sorbitan mono-Laurat (Tween 20).  NM were kept in the dark 

and only exposed to light upon use.  Suwannee river humic acids standards were purchased 

from the International Humic Substances Society (IHSS, Atlanta, GA, USA) and Sigma-

Aldrich. Calcium Chloride dihydrate (CaCl2·2H20), Magnesium sulphate heptahydrate 

(MgSO4·7H2O), Sodium Hydrogen Carbonate (NaHCO3), Potassium Chloride (KCl), 

Concentrated Nitric Acid (HNO3) and Ammonia (NH3) were obtained from Sigma-Aldrich.  

Milli Q water was obtained using a Milli-Q® Integral ultrapure water system from Merck.  

Water presented a resistivity of 18. 2 MΩ·cm and a TOC ≤ 5 ppb.  

8.2.2 Experimental design; Exposure and Bioavailability 

An experimental test system was designed and built to simulate freshwater stream exposure 

(flow) or pond exposure (static).  The first set of experiments was designed to investigate if 

differences in exposures, flow or static scenarios and additional abiotic factors (humic acid, 

clay and presence of non-cohesive sediment) would differentially modulate the 

bioaccumulation and bioavailability of waterborne AgNM and its concomitant dissolved 

fraction.  The second experiment’s objective was to test the combined effects of the selected 

abiotic factors within differing exposure conditions (static vs flow), as the aqueous phase 

concentration was modulated (by the flow or static factor) and as a result of a combination of 

ageing processes (these being the combined effects of the following: effects of time, on the 

modifications of AgNM via speciation, from possible sulphidation of AgCl formation, and 

hetero-aggregation with clay’ and surface modification with organic matter, and by the 

interaction of the waterborne AgNM via attachment to a non-cohesive sediment bed), over a 

three-week time course. For studying the effect of variable waterborne exposure and 

bioavailability, the following approach was used: i) gene expression of metallothionein and ii) 

tissue burdens and bio-concentration factors (Poynton et al., 2011; Henry et al., 2013; López-
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Serrano et al., 2014; Pauget et al., 2013).  A series of experiments tested the effects of selected 

abiotic conditions within static and flow exposure conditions. Whole ZFL samples for gene 

expression were taken after a 24hr exposure, and samples for tissue burden analysis and BCF 

were taken after 48 hours of exposure. Research has indicated that the uptake of AgNM in larvae 

has reached a steady state after 48hrs of exposure (López-Serrano et al., 2014).  Longer-term 

experiments were also conducted, where the combined effects of selected abiotic factors were 

tested (organic and inorganic matter and interactions with non-cohesive sediment), and samples 

were taken over weeks as the system aged.  Each week new larvae were spawned and placed 

into the test system for exposure and gene expression analysis. See table 8.1 for a detailed 

explanation of the sampling workflow. 

 

The experimental apparatus was set up in a climate-controlled incubator with a 14:10 day: night 

cycle and set to 30˚C.  Zebrafish embryos (Danio rerio: 1000 per batch over five weeks) were 

obtained from the Queen’s Medical Research Institute at the Little France campus of Edinburgh 

University.  Embryos and larvae were held in OECD solution (details provided in Methods 

Chapter 2).  Spawning, husbandry, and experimental procedures were conducted according to 

the UK's animal welfare regulations and guidelines (details provided in the Methods Chapter 

2).  The age range of fish involved in experimentation was 24 hours post fertilisation (hpf) to 

72hpf.  For these experiments, hatched larvae (72-h post- fertilisation) were placed within an 

exposure chamber based on a design by Boyle et al.  (2014) (an air lift pump maintains 

circulation within the device without impacting the larvae’s health) within developed flow 

systems (Figure 8.1). This chamber protects the larvae from excessive turbulence whilst 

maintaining exposure to ageing aqueous phase AgNM.  Experiments were conducted within 

diluted OECD soft synthetic freshwater (43 mg L-1 CaCO3, as described in the methods 

chapter). A multifactorial experimental design was used (Table 8.1). A series of 5 ml water 

samples were taken to measure total aqueous phase silver (Ag) during the experiment, alongside 

exposed larvae samples for RNA extraction qPCR and total tissue Ag concentrations. The 

rationale behind the AgNM clay and humic acid concentration are addressed in the general 

methods chapter. 
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Table 8.1 Experimental design for selected abiotic conditions and ageing timeline. 

 

CONDITIONS DURATION AND SAMPLE POINTS EXPERIMENT DETAILS 

SOFT WATER+ 0. 1 
MG/L  AGNM 

 
 
Total: 48hr accumulation:  Water 
samples were taken at 0, 24&48 hrs.  
Larvae samples were taken at 24hrs for 
RNA extraction, and samples for total 
Ag tissue burdens were taken at 48hrs. 

 
 
Abiotic experiments 
were carried out within 
static and flow-based 
test systems over five 
consecutive weeks 
parallel in triplicate 
(n=3).  
 

SOFT WATER+ 0. 1 
MG/L AGNM+ 10MG/L 
HUMIC ACID 
SOFT WATER+ 0. 1 
MG/L AGNM+ 15 MG/L 
KAOLINITE CLAY 
SOFT WATER+ 0. 1 
MG/L AGNM+ NON-
COHESIVE SEDIMENT 
(SILICA SAND).  

SOFT WATER+ 0. 1 
MG/L AGNM+ 10MG/L 
HUMIC ACID+15 MG/L 
KAOLINITE CLAY+ 
NON-COHESIVE 
SEDIMENT (SILICA 
SAND).  

Total: 20 days 
Water samples 
were taken at: 
Week 1: 0, 24&48 
hrs.   
Week 2: 8, 9&10 
days.  
Week 3: 14, 15&16 
hrs.  

Larvae samples 
were taken at: 
Week 1:  24hrs 
RNA extraction 
and samples for 
total Ag tissue 
burdens were 
taken at 48hrs.  
Week2: The 
sampling 
procedure was 
repeated.  Week 
3.  The sampling 
procedure was 
repeated.  

Over three weeks, the 
ageing experiment was 
run in triplicate (n=3).  
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Figure 8.1 The recirculating flow system used for testing in ‘environmentally’ relevant 

conditions, i.e. the effects of turbulent flow and sediment interactions on aqueous (waterborne) 

AgNM exposure A) Schematic of recirculating flow system  B) the constructed flow-system 

set-up in the climate-controlled incubator. Larvae were housed within an exposure chamber in 

the two-litre beaker, and non-cohesive sediments were placed within the flow channel to 

simulate sediment and water column interactions.

 

8.2.3 Gene Expression 

Larvae (30-50 per time point) were sampled from the test system and placed in an Eppendorf 

on ice, RNA later was added, and samples were stored at -80˚C.  In brief, for RNA extraction, 

a phenol/chloroform (RNAzol® RT, sigma) method was used to extract RNA, quality was then 

b

Larvae housing chamber 

Air lift pump; for circulation 

aA

B
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checked using a Nanodrop, and the integrity was checked by running an agarose 2% gel, and 

checking for clear 16S and 28S, banding.   Following this, RNA was treated for genomic DNA 

using DNase (PrimerDesign) to prevent sample contamination from genomic DNA further, and 

RNA was then eluted into 30 µL water (RNase/DNase free), and the concentration and quality 

were determined by spectrophotometer (NanoDrop, ND-1000Spectrophotometer).  Samples 

were then diluted to 100 ng/µl, and 800ng was used to synthesise cDNA following the 

manufacturer’s protocol (PrimerDesign), with oligo dt primer mix, and cDNA was stored at -

80 °C until gene expression analysis.  PrimerDesign assisted with the selection of primers 

designed for zebrafish gene transcripts mt2 (NCBI Reference Sequence: NM_001131053. 2) 

and zebrafish β-actin (NCBI Reference Sequence: NM_131031. 1), RNA quality, and selection 

of primers meets the requirements of MIQE guidelines (Bustin et al., 2009).  For quantitative 

PCR (Q-PCR), lyophilised primers (PrimerDesign) are reconstituted to 100 μmol with RNase-

free water and mixed with a master mix (Precision PLUS, PrimerDesign) to give a final reaction 

concentration of 300nM primer and 25ng of cDNA in a 20µl reaction total volume; samples 

were run in triplicate.  Fluorescence was detected (StepOne Real-Time PCR System, Applied 

Biosystems, Warrington, UK) over 40 cycles.  Quantification of gene expression was conducted 

by the comparative CT method that includes relative measurements in which the change in 

expression of the gene of interest is normalised to that of an internal housekeeping gene (Livak 

& Schmittgen, 2001).  

8.2.4 Water samples 

Two-millilitre aliquots were drawn from the test systems, and 2ml nitric acid was added (trace 

metal grade), giving a concentration of 39% V/V nitric; samples were then left to stand for 

48hrs.  Then, samples are bath sonicated for an hour.  After sonication, to stabilise the matrix 

and prevent AgCl formation, 500µl of NH3 is added, followed by sealed heat digestion at 95 °C 

for 3hrs in a hot bath.  After this, samples were diluted 20-fold and then analysed using ICP-

MS (Fabricius et al., 2014); dilution factors were applied to correct the results for sample 

dilution.  

8.2.5 Larvae tissue burdens and bio-concentration factors 

Larvae (n=100; 48h) samples from test systems were collected on filter paper using a suction 

filtration system; following this, a rinse cycle was administered (MilliQ was used in the filter 

system) to rinse off loosely attached AgNM and ionic silver from the surface of the larvae, then 
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samples were collected within an Eppendorf, and wet weight was recorded.  Samples were then 

dried at 65˚C in an oven, and dry weight was recorded.  Tissue samples were then acid digested 

using 69 % nitric acid (Trace grade) for 24 hrs; samples were sonicated for half an hour, and 

then samples were diluted 20-fold for ICP-MS analysis.  According to the OECD guidelines, 

total tissue burdens and bioconcentration factors (BCF) were calculated.  Larvae' total Ag tissue 

concentrations were reported as ng/g dry weight (DW)±SEM.     

8.2.6 Statistical analysis  

Data were analysed using the program R (R Development Core Team 2014). Results for AgNM 

aqueous phase behaviour and gene expression induction experiments were analysed with linear 

regression, where a GLM was fitted, with a concentration on the Y-axis and time on the X and 

conditions as a categorical variable (independent), and MT fold change on the Y-axis and 

concentration on the X-axis and silver type as a categorical variable, for the different 

experiments respectively.  All results from uptake and bioavailability experiments were 

analysed using two-way ANOVA.  Conditions (flow and static) and abiotic factors or time were 

chosen as independent variables, including the possible effect of interaction. The normality of 

the data was checked by plotting a QQ (quantile-quantile) plot.   According to Box and Cox 

(1964), transformations were selected and applied when the data were non-normally distributed 

or heteroscedastic.  A Tukey posthoc analysis, with the significance, or alpha level, set at 5%, 

was used to assess differences between treatments.  

8.3  Results  

8.3.1 Metallothionine transcript induction (Mt2 mRNA) 

A significant positive concentration-dependant relationship was present in the induction of 

MT2 for both aqueous silver (supplied as AgNO3, Linear model: RSE=0. 192, R2 =0. 28, 

DF=31, P=0. 001**) and waterborne AgNM (linear model: RSE=0. 125, R2 = 0. 8, DF=18, P<0. 

005***) as shown in Figure 8.2. The variance in the larvae’s gene expression responses was 

greater for the waterborne silver (Ag) than for the AgNM exposures.  For aqueous exposures of 

Ag (Aq.), a maximal change of a threefold induction was evident for an exposure concentration 

of 25 µg/l (Figure 8.2A).  In contrast, waterborne Ag (NM form) induced a higher fold induction 

of Mt2, where up to a 7.5-fold change was present for the exposure concentration of 200 µg/l 

(Figure 8.2b).  



Chapter 8: Testing waterborne AgNM exposure, via a simulated biotic-abiotic interface, 

contrasting; lentic and lotic and sediment scenarios 

252 

 

Figure 8.2 The concentration-dependent induction of metallothionein (Mt2; relative fold 

change) in Zebrafish larvae (144-168hpf) exposed to A) Aqueous phase Silver (Ag), and B) 

Aqueous phase AgNM (data presented as mean±SEM, n=5).  

 

8.3.2 Effects of low shear flow and abiotic factors on AgNM aquatic exposure 

The AgNM concentration (represented by total water column Ag concentration) within the water 

column differed between the exposure conditions (see Figure 8.3 - A1-D1).  The recovery within 

the test systems ranged from 80-90% at t=0 across abiotic conditions. The waterborne 

persistence within the water column differed between quiescent and low shear flow systems, 

where a faster water column total Ag concentration decrease was evident for the low shear 

turbulent flow systems. Model organic matter (humic acid) stabilised waterborne AgNM, and 

the treatment with the presence of a sediment bed (sand) showed a faster concentration decrease 

rate for both tested flow regimes of flow and quiescent systems (Figure 8.3 - D1).  
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Figure 8.3 The effect of low shear turbulent flow (orthokinetic or “lotic” - F), quiescent (peri 

kinetic or “lentic”- S) and abiotic conditions on AgNM and its concomitant dissolved fraction 

within the aqueous phase, inside the test system during a 48hr period. Results demonstrate 

AgNM and its dissolved fractions system-dependent differential behaviour to which the 

zebrafish larvae (72-120hpf) were exposed, with treatments being A1&2) AgNM and B1&2) 

AgNM+C = with the addition of 5 mg/l of kaolinite clay, and C1&2) AgNM+Ha = with the 

addition of 10 mg/l of Humic acid, and D1&2) AgNM+Sed = with the presence of non-cohesive 

sediment (data presented as means±SEM, n=3). NB AgNM dissolved fraction was measured on 

a parallel experiment to prevent removing too much water during the uptake experiment.  

 

The general trend for the AgNM concomitant dissolved fraction showed higher concentrations 

within three of the lentic system (see Figure 8.3 A2 & B2 & D2). However, the lotic system 

showed the highest concentration of dissolved Ag for the AgNM+Ha system. 
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The uptake of Ag from aquatic exposure of ZFL to AgNM within quiescent and low shear flow 

system and tested abiotic conditions (kaolinite clay, humic acid, sediment) ranged from 3-12 

µg/g dry weight (Figure 8.4).  All ZFL exposed to aqueous AgNM showed significant uptake 

(ctr group-a vs bc, P<0.05 – post hoc analysis). The low shear turbulent flow system, with the 

addition of 10 mg/l of model organic matter (humic acid; AgNM+Ha+F), had a significantly 

higher ZFL Ag tissue burden (group-c, P<0.05). The other treatments (exposure conditions) did 

not show any significant differences between them (two-way ANOVA&post-hoc analysis, 

treatment = P>0. 05; Figure 8.4A). Statistical analysis results also indicated a significant 

difference in ZFL tissue burdens between quiescent and low shear flow systems, alongside a 

significant difference in how the abiotic conditions (kaolinite clay, humic acid, and sediment) 

influenced ZFL Ag tissue burden differentially between system types (two-way ANOVA, 

treatment*system type = P<0. 05; Figure 8.4A). 

Zebrafish larvae metallothionein expression (Mt2; mRNA) was used to measure bioavailability. 

Zebrafish larvae that were exposed within the contrasting test systems of flow and static (Figure 

8.4B) indicated a significant difference in Mt2 expression between them (two-way ANOVA, 

test system type = P<0.05). The ZFL exposed within the AgNM-S test systems showed a 3-4 

fold increase in Mt2 expression (mRNA; treatment post hoc analysis; ctr vs AgNM & AgNM+C 

& AgNM+Ha = P<0.05).  In contrast, ZFL Mt2 expression within the low shear flow exposure 

scenarios only demonstrated elevated expression within the AgNM+Ha system (Figure 8.4B).   

The bioconcentration factors obtained for waterborne AgNM within differing abiotic exposure 

conditions are shown in Table 8.2. The dynamic exposure conditions create a changing 

exposure concentration to the ZFL exposed, and this variable concentration can produce issues 

when calculating BCF. To address this, a geometric mean was used to calculate 

bioconcentration factors, as it was thought to represent better the concentration in the water 

column within the dynamic exposures. The resulting bioconcentration factors (BCF48) were 

dissimilar between static and flow exposure conditions, and the results demonstrate a greater 

BCF48  within flowing conditions than in static exposures. However, none of the BCFs is 

considered significant, as the BCF values <1000, indicating that no bioconcentration was 

present in the tested exposures (Arnot & Gobas, 2006).    
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Figure 8.4 The effect of contrasting low shear turbulent flow (orthokinetic or lotic), quiescent 

(peri kinetic or lentic) and abiotic conditions on Ag tissue burdens and bioavailability (supplied 

in NM form; assessed as Mt2 expression) within Zebrafish larvae (72-144hpf), which were 

exposed to an initial concentration of 100µg/l of pristine waterborne AgNM, where A) is forty-

eight-hour body burden for the different treatments, and B) is the response of metallothionein 

(Mt2) to the different exposure conditions. The abiotic treatments are as follows:  AgNM = 

aqueous AgNM, AgNM+C = AgNM with 5 mg/l of kaolinite clay, AgMM+Ha = AgNM with the 

addition of 10 mg/l of humic acid, and AgNM+S = AgNM within the presence of non-cohesive 

sediment within the flume channel. Groups which do not share letters are significantly different 

from each other. P=<0. 05 * indicates a significant difference between Static (S) vs Flow (F) 

exposure conditions; P=<0. 05 (two-way ANOVA, time: P<0.05). # denotes a statistical 

difference in the tissue burden concentrations across abiotic treatments within zebrafish larvae 

between Static (S) vs Flow (F) exposure conditions (two-way ANOVA, treatment*time: 

P<0.05) (Data reported as means±SEM, n=3). 
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Table 8.2 Forty-eight-hour ZFL bioconcentration factors and parameters obtained from tested 

abiotic conditions. All BCF are <1000 indicating no bioconstruction is present.  

Treatment System type BCF Cw (µg/ml) Cf (ng/g) 

AgNM Flow 129. 63 0. 036 4. 72 

  Static 94. 60 0. 062 5. 85 

AgNM +10Ha Flow 177. 22 0. 070 12. 36 

  Static 60. 93 0. 074 4. 52 

AgNM+5Clay Flow 359. 79 0. 013 4. 63 

  Static 115. 89 0. 048 5. 58 

AgNM+Sediment  Flow 221. 05 0. 017 3. 83 

  Static 213. 62 0. 021 4. 38 

Cw= a geometric mean of the aqueous phase silver concentration over the 48hr exposure period. 

Cf = mean of the ZFL Ag tissue burden from 48hrs of exposure. 

8.3.3 Effects of aquatic environmental ageing on AgNM exposure 

The aqueous phase recovery of Ag (supplied in NM form) measured within the water column 

ranged between 80-90%, as calculated as a percentage of the nominal concentration. The AgNM 

waterborne concentration behaviour within a multinary system (AgNM+C+Ha+S) differed 

between static and low shear flow system types.  Within the low shear flow systems, the 

aqueous phase concentration decreased to <10% of the nominal concentration within the first 

week, and this residual concentration then persisted for the rest of the experiment. In contrast, 

within the static systems, the waterborne concentration was more persistent, such that the 

aqueous phase Ag concentration was relatively stable within the test system throughout the 

experiment (Figure 8.5A). The lotic system showed a higher concentration of dissolved silver 

throughout the tested time course, see Figure 8.5B.  
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Figure 8.5 The total waterborne Ag concentration (supplied in NM form; A) and the dissolved 

fraction (B), as influenced by different physical conditions (low shear flow and quiescent 

systems). The figures show AgNM and concomitant dissolved fractions behaviour within the 

test systems during a three-week AgNM ageing time course.  At set times (0, 10, 20 days), ZFL 

were exposed to the ageing AgNM for an acute time course and endpoints of exposure were 

measured (72-120hpf; 24hr Mt2 expression & 48hrs for ZFL tissue body burden). The exposure 

consisted of a multinary system of AgNM with the addition of kaolinite clay, humic acid and 

the presence of non-cohesive sediment within simulated quiescent and low flow conditions. 

The simulated system was engineered to represent natural aquatic ZFL exposure within streams 

(lotic) and pools (lentic; data are presented as means±SEM, n=3 for the total concentration data 

– A, and data for the dissolved fraction – B, are presented as absolute values±95 prediction 

bands,  n=1). During the uptake experiment, NB AgNM dissolved fraction was measured on a parallel experiment to 

prevent removing too much water and aqueous AgNM. 
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Zebrafish larvae showed tissue burdens of Ag, from exposure to AgNM dosed into a multinary 

systems, which aged over a time course of up to eighteen days. Findings revealed that ZFL 

tissue burdens decreased in both systems at the physical exposure time points of 2, 10 and 18 

days, as the differential settlement mechanisms influenced the exposure concentration (Figure 

8.6).  The effect of time and system type (flow or static) significantly affected the ZFL Ag tissue 

burdens (two way-ANOVA, time & time*system type = P<0.05). Indeed, the zebrafish larvae 

Ag tissue burdens differed between systems (static vs flow), which showed different time-

dependent relationships. Within the pristine low shear flow system, the ZFL Ag tissue burden 

was higher for the 2&10 day point (6.2&4 µg/g DW) than in the quiescent system. The ZFL 

Ag tissue burden then decreased to a similar tissue burden (1.5 µg/g DW) for both test systems 

within the aged timepoint (18-day).  

ZFL tissue burden subsequently decreased within the static aged test system to 1 µg/g (DW) 

Figure 8.6A.  Within the different modes of static and flow, the established equilibrium was 

thought to be a long enough time scale to allow the ageing of the AgNM particles within this 

simulated aquatic environment. The response of ZFL metallothionein (mRNA) expression 

between ageing ZFL exposures (Figure 8.6B) was not significantly different (two way-

ANOVA, time, P<0.05). There was also no significant difference in ZFL metallothionein gene 

expression as a function of system type (two way-ANOVA, system type, P<0.05).  In contrast 

to low shear flow systems, the ZFL tissue burdens within the pristine (2days) static exposure 

system was less, where the tissue burden (48hr) was four µg/g (DW).  The ZFL BCF48 was 

higher within the low shear flow system than in static ZFL exposures (Table 8.3). Notably, the 

ZFL BCF48 increased over time within the flow exposures.  In contrast, the ZFL BCF48 

decreased as the test system aged.   
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Figure 8.6  Tissue body burden and bioavailability of Ag (supplied in NM form) for Zebrafish 

larvae exposed to 100 µg/l of ageing waterborne AgNM for forty-eight hours. The ZFL were 

exposed at time points of 2 & 10 &18 days, as the AgNM aged within the quiescent and low 

shear turbulent flow, where A) is the ZFL forty-eight-hour bioaccumulation. B) is the ZFL 

twenty-four-hour response of metallothionein (Mt2). The exposures consisted of a multinary 

system of AgNM with the addition of kaolinite clay (5mg/l), humic acid (10mg/l) and the 

presence of non-cohesive sediment (sand) within the flow channel. Groups which do not share 

letters are significantly different (two-way ANOVA, Time = P<0. 05.) * indicates a significant 

difference between Static (S) vs Flow (F) exposure conditions (two-way ANOVA, exposure 

type: P<0.05). # denotes a statistical difference in the ZFL tissue burden concentrations across 

time between Static (S) vs Flow (F) exposure systems (two-way ANOVA, treatment*time: 

P<0.05; Data reported as means±SEM, n=3). 
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Table 8.3 Time dependant ZFL bioconcentration factors and parameters obtained as the AgNM 

aged within the small scale flow system. All BCF are <1000 indicating no bioconstruction is 

present.  

 

Timepoint System type BCF Cw Cf 

48hrs Flow 120. 59 0. 053 6. 39 

  Static 54. 12 0. 073 3. 96 

240hrs Flow 308. 11 0. 012 3. 77 

  Static 22. 38 0. 067 1. 50 

430hrs Flow 269. 93 0. 006 1. 66 

  Static 24. 23 0. 064 1. 56 

Cw= a geometric mean of water column Ag concentration over time. Cf = mean of the ZFL Ag tissue burden. 

 

8.4 Discussion 

8.4.1 Zebrafish metallothionein expression as a biomarker of Ag bioavailability 

In this work, the expression of mt2 in zebrafish larvae refers to the level of mRNA measured 

in ZFL. To explain, the mt2 gene encodes for a metallothionein protein that regulates metal 

ions in the body, particularly in response to stress caused by heavy metal exposure (Boyle & 

Goss, 2018). In zebrafish larvae, the expression of mt2 can be used as a biomarker to measure 

the level of heavy metal toxicity in the environment. It is known that when ZFLs are exposed 

to heavy metals, such as cadmium or copper, they upregulate the expression of mt2 as a defence 

mechanism to sequester and detoxify the toxic metals. Therefore, by measuring the level of mt2 

expression in zebrafish larvae, researchers can assess the extent of heavy metal pollution in 

aquatic environments and potentially develop strategies to mitigate their harmful effects. 

However, it was not known if Ag and AgNM also activate the Mt2 mRNA pathway in a dose 

dependant manner. Results obtained from ZFL exposed to Ag(aq.) and Ag(NM form) support 

that both forms of Ag elevated Mt2 (mRNA) expression in a concentration-dependent manner.  

Notably, the response between Ag(aq.) and Ag(NM form) differed. Expressly, the Ag(aq.) ZFL 

Mt2 mRNA response was more potent and displayed an on-off switch response (rather than a 

gradient of upregulation) for the ZFL exposed to 5-10µg/l. In contrast, the response from 

exposure of ZFL to Ag(NM form) displayed a greater fold-change of Mt2 mRNA expression, 

which spanned between 100-400µg/l. Notably, the minimum concentration to induce ZFL Mt2 
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(MCI-Mt2) within waterborne Ag(aq.) exposures was between 6-8µg/l, which induced a 2-fold 

change in Mt2 mRNA expression. This MCI-Mt2 is different to Osborne et al. (2016), where it 

took a two-fold higher minimum concentration of Ag(aq.;23-16µg/l) to elevate ZFL’s Mt2 

mRNA. Comparatively, the minimum concentration of Ag(NM form) to induce ZFL Mt2 was 

25µg/l, producing a two-fold change in Mt2 expression. Relative to Osborne et al. (2016), this 

was also a lower concentration of AgNM, which elevated ZFLs Mt2 in this study.  Markedly, 

the fold-change of ZFLs Mt2 was higher for AgNM exposures in this research.  Osborne et al. 

(2016) study also observed a difference in the influence of Ag(aq.) and AgNM on ZFL full-

body Mt2 expression, where ZFL exposure to AgNM also showed a greater Mt2 expression. A 

higher response in ZFL Mt2 expression from exposure to Ag(NM form)  possibly indicates a 

more pronounced body level Mt2 expression than is just initiated by AgNM concomitant 

aqueous Ag (in its dissolved fraction). In support of this, the MCI-Mt2 of AgNM seen to elevate 

ZFL Mt2 response within this study (25µg/l) would have had a concomitant dissolved fraction 

of 0.5-0.75 µg/l (2-3% of 25µg/l); this possibly indicates that the Mt2 induction from Ag(NM 

form), is not just attributable to the dissolved fraction alone. Others have also noted different 

responses in biomarkers of exposure (gene expression profiles) between forms of Ag (dissolved 

and NM form), where specific differences in gene profiles in the worm Enchytraeus albidus, 

were seen between AgNM and dissolved silver (Gomes et al., 2013).   

The literature on research into Mt2 induction from Ag (aq.) and Ag(NM form) in the early life 

stages of zebrafish indicates conflicting results (Osborne et al., 2016; Mohammad, 2016). These 

results differed from Mohammad's (2016) findings concerning the literature. This paper did not 

report the induction of Mt2 in ZF embryos (ZFE) following exposure to dissolved Ag. Such a 

difference in findings leaves the question, why did ZFL exposure to Ag elevate Mt2 in this 

study but not in Mohammad’s (2016) work; this difference may relate to when zebrafish 

embryos express Mt2 during their development. Notably, the ZFE exposures to dissolved silver 

(Ag+) in Mohammad's study (2016) occurred between 24- 70hpf, which notably is a younger 

age group than used in this study (72-144hpf). The answer may relate to the fact that different 

developmental stages of ZF express Mt2 differentially (Chen et al., 2004). Chen’s (2004) study 

looked at ZFL visual body expression of Mt2 after being induced following exposure to aqueous 

zinc (ZnCl2). Chen’s (2004) findings supported that differences in Mt2 expression were present 

during ZFE development.  Indeed Chen's (2004) study demonstrated that whole-mount in situ 
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hybridisation of zebrafish Mt transcripts during embryonic and early larval stages showed that 

Mt expression went in waves during development, where initially Mt2 decreased during the 

development of early embryos (from the 1 cell to first hatching). Then post-hatching, Mts 

whole-body expression increased again. 

A ZFL Mt2’s fold change of 2-4 was observed within this study following exposure to Ag, 

which was in line with ZFL’s fold change (also 2-4.6) of Mt2 following exposure to Ag within 

Osborne et al. (2016). Adult zebrafish have been demonstrated to have much higher organ-

specific Mt2 gene expression than ZFL, where adult ZF liver tissue was shown to have an Mt2  

fold change in gene expression of 40-70 times following 24hr waterborne exposures to AgNM 

(Choi et al., 2010). However, notably, the concentrations of AgNM that induced an Mt2 

response in adult zebrafish within Choi et al. (2010) was a lot higher (40-120 mg/l) than the 

concentration of AgNM required to induce a response within ZFL in this study (0-4mg/l). In 

conclusion, both forms of waterborne Ag (aq. and NM) induced metallothionein transcripts 

(mRNA) in zebrafish larvae, which occurred in a concentration-dependent manner. Findings 

also indicated that ZFL’s Mt2 response to Ag was very sensitive, as the response reacted to the 

low waterborne concentration of both forms of Ag (Aqueous and NM), making ZFL’s Mt2 gene 

expression response a suitable biomarker to use for assessing Ag aqueous phase bioavailability. 

A key drawback is its inability to conclusively distinguish between the Mt2 response from the 

different forms of Ag (Aq. & NM), with further work required to explore this further  

8.4.2  ZFLs exposure to pristine waterborne AgNM; within lentic and lotic systems 

This work supported that the designed experimental test system successfully simulated 

contrasting lentic and lotic environmental exposure conditions, which influenced the water 

column behaviour of AgNM. AgNM were more persistent within the water column in the lentic 

system relative to the lotic system.  The findings here were in line with Velzeboer et al. (2014), 

demonstrating increased water column settlement of AgNM within a turbulent and sediment 

system. In addition, other research has also shown the ability of the low shear flow to increase 

NM (CeO2) flocculation and settlement (Lv et al., 2018). Other non-NM work has also shown 

a similar influence of turbulence on the flocculation and differential settling of suspended 

particulates (Gratiot & Manning, 2004; Manning et al., 2010; Cuthbertson et al., 2008). The 

influence of turbulence on particle settlement rates is due to shear forces modulating water 

column intraparticle interactions. The role of turbulence in the fate of waterborne AgNM is 
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addressed more comprehensively in Chapter 5. The contribution here is that the experimental 

set-up, was successful at simulating differential exposure scenarios influenced by quiescent and 

low shear flow conditions. These simulated exposure conditions within these test systems, were 

considered to embody the properties of lentic and lotic freshwater environments. The 

experimental systems mimicked relevant hydrology of runs, riffles (lentic) and pools (lotic) as 

described by Simmons & Wallschläger (2005).  

In addition, results from this study showed that abiotic factors (Clay, Ha & sediments) also 

influenced the water column behaviour of AgNM. In some cases, abiotic factors differentially 

influenced AgNM water column behaviour between the lentic and lotic systems. This work 

demonstrated that the addition of humic acid to the aquatic AgNM colloidal system provided 

stabilisation within the experimental test conditions, which resulted in AgNM persisting within 

the aqueous phase throughout the tested time course. The influence of humic acid between the 

lentic and lotic systems was only marginally different, such that within the low shear flow 

system, a more substantial amount of settlement took place during the time course. However, 

relative to the AgNM system with low shear flow, without humic acid, a considerable amount 

of stabilisation of the AgNM was still observed within the AgNM+Ha+F. Stabilisation of water 

column AgNM by organic matter within quiescent conditions has been reported by other 

researchers (Delay et al., 2011; Milne et al., 2017), and the findings found in this study fall in 

line with others’ results in the sense that humic acid caused stabilisation on the total 

concentration of Ag(NM form) within experimental systems (Cupi, Hartmann & Baun, 2015). 

The observed modification in AgNM settlement behaviour between the AgNM+Ha+F system 

from the quiescent AgNM+Ha system indicates that AgNM+Ha settling is increased within the 

extent lotic system. The destabilising influence of low shear flow on the stabilising action of 

humic acid on AgNM has not been reported previously. 

The influence of the kaolinite clay on AgNM settlement behaviour differed between lentic and 

lotic systems. Within the lentic system, kaolinite clay had little effect, such that the behaviour 

of AgNM within the system without clay vs the system with clay was relatively similar. 

However, within the lotic system, kaolinite clay increased the settlement of waterborne AgNM. 

These findings indicate that the influence of low shear flow modulated the settling behaviour 

of AgNM+C differentially to the quiescent system. In essence, aspects of these findings align 

with others’ findings. Published studies have demonstrated the ability of clays to destabilise 
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NM colloidal systems within quiescent conditions (Petosa et al., 2010; Zhou, Abdel-Fattah & 

Keller, 2012). However, within the system tested here, kaolinite clay increased AgNM 

settlement rates only within the low shear lotic system. The influence and role of clay are 

discussed in more detail in Chapter 5.   Here the interest lay in simulating AgNM water column 

behaviour that represented the influence of abiotic factors within lentic and lotic systems and 

related these modifications in Ag(NM) tissue body burdens within ZFL.  

A system run with a sediment bed increased AgNM removal from the water column. This 

influence of sediments is consistent with results described by other researchers, who have 

demonstrated that interactions with suspended sediments will cause a faster removal of the 

water column NM (Velzeboer et al., 2014). The effect may have been caused by the hyporheic 

exchange and sediment filtration, where the particles may attach rapidly to the sediment bed 

via hetero-aggregation in a region termed the ‘active layer’, which occurs at the sediment-water 

interface (Stolzenbach, Newman & Wong, 1992). The results here support that the test system 

generates dynamic exposures that simulate the environmental presence of a sediment-water 

interface. 

Findings did not demonstrate any difference in ZFL body burdens between lentic and lotic 

exposures, despite observations of differential time-dependent water column AgNM behaviour 

within the contrasting systems. This finding did not support the study's original hypothesis that 

‘contrasting lentic and lotic exposure would result in differential body burdens’. The hypothesis 

was initially based on the logic that the destabilisation of the AgNM colloidal system within a 

lotic (low shear flow) environment would remove the AgNM from the water column, which 

would, in turn, result in a decreased ZFL body burden. If this was the case, organisms within a 

lotic environment might be less risky. This hypothesis was inspired by a study by Hillwalker, 

Jepson & Anderson (2006), who conducted a field study of selenium pollution from mining 

activity; as such, it was considered relevant to discuss parallels in findings between these 

studies. Specifically, Hillwalker, Jepson & Anderson's (2006) field study looked at selenium 

concentrations in the water samples and within insects (body burdens) in lentic and lotic 

watersheds over three years. Although their research was a long-term field study, some 

resemblances were found between their findings and this study. For example, Jepson & 

Anderson (2006) also found no correlation between the water column concentration of selenium 

and the tissue body burdens of insects. However, the parallels ended as Hillwalker, Jepson & 
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Anderson's (2006) study found that lentic and lotic watersheds drove differences in selenium 

body burdens within insects. Insects within lentic watersheds had up to seven times the body 

burden than insects from lotic watersheds. In contrast, this study found that ZFL exposed to 

waterborne AgNM within lentic and lotic systems did not differ in Ag body burdens.  

Although dose-dependent uptake relationships have been demonstrated with NM within aquatic 

worm Lumbriculus variegates (Khan et al., 2015), it is generally an accepted conjecture that a 

significant fraction of the dose-dependent uptake of AgNM is due to the NM concomitant 

dissolved fraction (Luoma, Khan & Croteau, 2014). Findings from this study reported that the 

studies AgNM concomitant dissolved fraction within the water column was around 2-4%, and 

results supported that the dissolved fraction persisted within the water column within low shear 

flow conditions. The dissolved fraction from the tested experimental systems was between 2-

4µg/l. Notably, a fraction of AgNM dissolved fraction was independent of the influence of lotic 

conditions, and this fraction was found to persist within the water column, despite low shear 

flow.  This may explain the uptake seen within these experiments, and if this persisted within 

the water column, it would be independent of the AgNM concentration-dependant relationships.  

There is evidence in the literature, however,  supporting that the NM water column particulates 

do contribute to the total metal uptake seen within organism, as when the dissolved fraction 

was inhibited, bioaccumulation was still recorded (Zhao & Wang, 2010; Luoma, Khan & 

Croteau, 2014). The results obtained here may also be linked to a difference in how the silver 

uptake is regulated, concerning how the turn of the Ag at the external-organism interface is 

different within lentic and lotic conditions. Therefore, such an influence may give room for a 

possible alternative explanation for the findings in this study.  In lotic conditions, an increased 

flow rate within the flow exposure system will increase the frequency of the interaction of 

AgNM particles and its concomitant dissolved fraction with the organism. Increased, 

interactions with AgNM from flow, may have led to a higher or similar ZFL Ag body burden 

within the lotic exposures, despite the drop in total silver within the water column. These 

explanations may elucidate why no difference in body burden was seen between static and flow 

conditions. 

Another hypothesis within this body of work was founded around the ability of other factors 

(Ha & Clay & Sediment), which are vital components of aquatic watersheds, to modulate the 

interaction of waterborne AgNM with organisms and, in turn, influence ZFL AgNM body 
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burdens (Handy et al., 2011; van der Zande et al., 2020). It is proposed that due to humic acid’s 

protective role (See Chapter 6), the mechanism might be due to the ability of Ha to reduce Ag 

uptake (via chelation) and, therefore, the body burden of Ag, which has been demonstrated in 

Caenorhabditis elegans (Collin et al., 2014). However, findings within lentic exposures did not 

support this, as there was no difference in ZFL body burdens between the AgNM and the 

AgNM+Ha exposures. Nevertheless, this study’s finding did fall in line with Wang et al. (2019), 

who also documented that humic acid did not affect the uptake of AgNM to the ciliated 

protozoan Tetrahymena thermophila. 

However, against the initial hypothesis, an increase in the body burdens of ZFL-AgNM+Ha+F 

exposed within the lotic system was evident, where ZFL from this treatment displayed a 2.3 

fold higher body burden than the ZFL exposed within the lentic system. Other researchers have 

observed a similar effect of organic matter on Cerium oxide NM uptake in a quiescent test 

system, where increased uptake was seen in fish tissues when CeO2NM were co-exposed with 

model organic matter (Fulvic acid) (Goodhead et al., 2015a). However, this effect was notably 

not present in the lentic exposure system within this study.  Nonetheless, this study indicated 

for the first time that flow-dependent influences are an important factor in the modulation of 

waterborne AgNM+Ha uptake within ZFL. Such an impact on ZFL AgNM uptake may again 

relate to low shear flow's ability to increase the turnover of the AgNM and its concomitant 

dissolved fraction. This would modify ZFLs bio-water column interface (interaction with the 

integument system). This study supports that organic matter may be a critical factor that 

modulates the uptake of AgNM, as others have also indicated (Wang et al., 2019c).   

Adding clay to the system did not result in differential ZFL body burdens relative to ZFL 

exposed without clay or between ZFL exposed within lentic and lotic systems. This was not in 

line with the initial study’s hypothesis, where it was thought that heteroaggregation and 

dissolved Ag cation exchange with kaolinite clay (Klitzke et al., 2015; Sposito et al., 1999; 

Krikorian & Martin, 2005), would result in a reduction in Ag uptake within ZFL. The conjecture 

was that this would be further accentuated within lotic conditions, where the low shear flow 

would also contribute to an increased rate of settlement of AgNM and adsorbed dissolved Ag, 

which would, in turn, reduce the body burden of Ag within ZFL. Notably, few studies are 

available on inorganic (clay) effects on AgNM uptake and body burdens. The most relevant 

study supported that clays can modify the toxicity of AgNM within marine organisms. Sfriso et 
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al., (2019) studied the effect of inorganic ligands (transparent exopolymer particles (TEP) and 

marine clay) on the toxicity of AgNM in seaweed Ulva rigida. Inorganic ligands (clay; 0 to 100 

ppm) significantly decreased AgNM toxicity. However, it was unclear if this was caused by a 

reduction in Ag uptake or a modification or ageing of the AgNM, making them systemically 

less reactive. 

Again, findings from the experiment on the presence of non-cohesive sediment did not support 

a difference in ZFL tissue burdens between exposures within lentic and lotic systems. The 

original hypothesis for this component of the study was that the interaction of AgNM and its 

concomitant dissolved fraction with the sediment would result in water column to bed exchange 

of both elements. If this were the case, it would increase the removal of Ag from the water 

column, which would reduce the water column exposure and, therefore, tissue burdens of 

exposed ZFL. Notably, environmental studies of the water column behaviour of AgNM did 

support that the presence of sediment increased the removal of AgNM from the water column 

(Kansara, Kumar & Karakoti, 2020). However, this studies behavioural findings on AgNM 

concomitant dissolved fraction did reflect that a non-cohesive sediments did not exert a long 

term removal on AgNM dissolved fraction (Chapter 5). There was limited adsorption of AgNM 

concomitant dissolved fraction to the non-cohesive sediment bed. As such, findings supported 

that a large part of Ag uptake within ZFL was primarily due to AgNM dissolved fraction, which 

would explain why no difference was seen between lentic and lotic systems, as the dissolved 

fraction persisted within both systems types. There are no other studies comparing sediments' 

influence within lentic and lotic systems on AgNM water column exposure.   

Findings of  ZFL’s gene expression of metallothionein (mRNA), which was used in this study 

as a biomarker of Ag’s bioavailability, indicated a difference in Ag bioavailability between ZFL 

exposed within lentic, and lotic systems. ZFL exposed within a lentic system showed a three-

fold increase in Mt2 expression for all tested treatments (AgNM, AgNM+C and AgNM+Ha) 

apart from AgNM+S treatment, supporting that greater Ag bioavailability was present within 

lentic exposures conditions. The notion that waterborne metals are more bioavailable in lentic 

systems is not new for dissolved metals, especially selenium, where others have already 

demonstrated that lentic systems can have greater dissolved metal bioavailability (Hillwalker, 

Jepson & Anderson, 2006; DeForest et al., 2017; Meena et al., 2018). However,  this is the first 

time the differential influence of lentic and lotic systems has been demonstrated to impact 
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AgNM waterborne bioavailability. The environmental relevance of AgNM persisting in the 

water column within lentic systems is also supported by another publication that studied the 

fate of water column AgNM within a lake system; results from this publication showed that 

AgNM and its dissolved fraction were also persistent in the water column  (Furtado et al., 2015). 

It is unclear if the increased ZFL Mt2 induction in lentic conditions correlates with just AgNM 

concomitant dissolved fraction since the dissolved fraction (3-4µg/l) in lentic conditions was 

found below the MCI-Mt2. If the mechanism were solely due to the dissolved fraction, it would 

be expected to see very little ZFL Mt2 gene induction at these concentrations (as the MCI-Mt2 

for ZFL Mt2 gene induction with Ag – dissolved form was 6-7µg/l). This means that these 

findings support the hypothesis that AgNM bioavailability is not just due to AgNM concomitant 

dissolved fraction and that the particles also play a role in AgNM bioavailability, as others have 

also concluded (Croteau et al., 2014; Navarro et al., 2008b; Lekamge et al., 2018). The findings 

for ZFL body burden indicated that the same concentration of Ag had been taken up into the 

ZFL between lentic and lotic systems. However, only the lentic ZFL showed elevated Mt2 gene 

expression. An explanation for this may relate to a difference in the proportion of the forms of 

Ag between the two lentic and lotic systems (i.e. dissolved or AgNM). The results for the 

dissolved fraction showed that the lentic system had a higher concentration of dissolved Ag. 

This persisted in circulation, and the aggregate size was consistently smaller in these systems, 

with a higher total concentration, which may have led to a more significant proportion of 

bioavailable Ag being taken up systemically in the lentic system eliciting a stronger Mt2 

response. These results possibly support that the aggregation state also played a role here, as 

small aggregates are known to be more bioavailable as they have a greater surface area available 

to be bio-reactive than larger aggregates (Zook et al., 2011; Bélteky et al., 2019).   

The addition of kaolinite clay to the exposure system, according to ZFL Mt2 gene expression, 

did not change Ag bioavailability, where the quiescent scenario still showed a similar level of 

Mt2 expression relative to ZFL exposed within the lentic system without clay, suggesting that 

kaolinite clay did not modify Ag bioavailability. However, it is notable that for the AgNM+C+F 

treatment, the ZFL Mt2 gene expression was slightly elevated, with higher variance, than the 

respective condition for the AgNM treatment (AgNM-F). This possibly indicates an influence 

of kaolinite clay on AgNM bioavailability within low shear flow. Findings for ZFL Mt2 gene 

expression did not support the original bidirectional hypothesis, where it was thought that the 
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cation exchange capacity of kaolinite clay (due to its heterogeneous surface charge) would 

result in the binding of both forms of silver (dissolved – (Sen Gupta & Bhattacharyya, 2014) 

and nano-particulate – (Liu, Hwang & Lenhart, (2015) ). This would reduce Ag bioavailability, 

as has been demonstrated to occur for dissolved copper and organic pollutants (Hartman & 

Martin, 1984). Alternatively, the binding of both forms of Ag (nano and particulate) would 

increase the localised dose of Ag, such that when Ag-clay complexes come into contact with 

an organism, which would increase Ag bioavailability, as others have demonstrated to be the 

case for ZFL and the freshwater free-living ciliate Tetrahymena pyriformis, when exposed to 

clay and AgNM (Gupta et al., 2016, 2017b). The fact that kaolinite clay did not influence Ag 

bioavailability within this study may relate to the concentration of the Ag and clay within the 

system, as it may be below the concentration of both clay and AgNM in order for the cation and 

particle exchanges to influence Ag bioavailability. Studies by Gupta (2016 & 2017) 

demonstrated an influence of montmorillonite clay on AgNM toxicity to ZFL and the ciliate 

Tetrahymena pyriformis. Studies were carried out with AgNM (1.5-14.5 mg/l), with 

concentrations of clay between 50-100 mg/l, which is 10-100 fold more than was used in this 

study (clay-5-10 mg/l). The clay and AgNM selected within this study were modelled on 

sublethal concentrations of AgNM, which were relatively close to predicted environmental 

concentrations, and were detectable using ICP-MS to measure AgNM water column behaviour 

(Kemp & Wagner, 2006; Tombácz & Szekeres, 2006). Notably, when looking at the dissolved 

fraction within the system, results obtained do not support that AgNM dissolved fraction sorbed 

with the clay in the system for either lentic or lotic conditions, as the concentrations of the 

dissolved fraction were similar without and with the addition of clay. It is interesting that this 

interaction was not seen to occur, as dissolved Ag in a recent review is listed as a heavy metal 

that is known to interact with montmorillonite and bentonite clays, which have a similar 

heterogenous surface as kaolinite clay (Constantino et al., 2017; De Pablo, Chávez & Abatal, 

2011a). Another possible explanation for the lack of interaction between the dissolved fraction 

and clay may be the binding capacity of kaolinite clay for Ag+, given that it is minimal at neutral 

pH. However, it cannot be ruled out that interaction between Kaolin and Ag may happen in the 

environment under certain conditions, as it has been demonstrated to form Ag-Kaolin 

nanocomposites within alkaline conditions in the lab (Hashemian & Shahedi, 2013). In 
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summary, kaolinite’s possible interaction with AgNM dissolved fraction did not appear to be a 

key mechanism modulating Ag aqueous phase bioavailability within this study.  

Findings for the influence of Ha on Ag bioavailability within ZFL exposed in lentic and lotic 

scenarios showed increased bioavailability (represented by increased Mt2 expression) within 

the lotic AgNM+Ha system. Notably, this response correlated with the increased uptake for the 

AgNM+Ha+F exposure, and a threefold increase in uptake was observed. In contrast, for the 

ZFL AgNM+Ha+S exposure, the ZFL’s Mt2 gene expression did not correlate with increased 

body burdens, similar to the AgNM alone exposures.  The findings for ZFL Mt2 gene expression 

indicate that low shear flow’s influence on AgNM+Ha exposures was likely related to how low 

shear flow modifies the exchange of Ag that the ZFL come into contact with (due to low shear 

flow ) and the proportion of bioavailable Ag that makes it into the ZFL body.  The influence of 

flow has been shown to modify the toxicity of copper to rainbow trout, with greater toxicity 

observed in flow-through systems compared to quiescent systems (Welsh et al., 2008). In 

addition, Welsh et al. (2008) also demonstrated that organic matter decreased waterborne 

copper toxicity. 

As such, the ZFL’s flow through the modified body burden of Ag within the AgNM+Ha+F 

system was thought to have been sufficient to have triggered the ZFL Mt2 pathway. Notably, 

in the lentic system, the addition of Ha to the system did not reduce ZFL Mt2 gene induction, 

indicating that the presence of 10 mg/l of Ha did not reduce the expression relative to the AgNM 

alone treatment. This does not fall in line with the reported influence of organic matter, which 

has been shown to reduce AgNM uptake and toxicity (Aiken, Hsu-Kim & Ryan, 2011; Xiao et 

al., 2020). This leads to the conclusion within this study that even if AgNM+Ha within low 

shear flow may lead to increased uptake and induction of Mt2, this does not mean that the 

presence of the AgNM within the organism is bioavailable; it may be benign (Smith et al., 2018; 

Pradhan, 2017). The reactive Mt2 pathway might indicate exposure, but it is essential to 

remember that this does not indicate that AgNM and its concomitant dissolved fractions may 

lead to toxicity or pathology/disease (Smith et al., 2018; Mayeux, 2004; Wallace et al., 2020). 

ZFL Mt2 gene expression in non-cohesive sediment revealed a decrease in Ag bioavailability 

in the lentic exposure scenario. The presence of the non-cohesive sediment acted as a protective 

mechanism, reducing the bioavailability of Ag to ZFL. However, there was no significant 

evidence of the presence of sediment influencing the ZFL Ag body burden. The sediment 
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possibly influenced the proportion of bioavailable Ag that makes up the body burden with ZFL 

via a sediment capture or filtration mechanism (Areepitak & Ren, 2011; Cornelis et al., 2013). 

According to AgNM-systems, dissolved silver was influenced by the presence of sediment 

within both the lentic and lotic scenarios; as such, this may have reduced the fraction of 

dissolved silver that ZFL took up within both system, which maybe explains the reduction of 

ZFL Mt2 expression with the lentic system, as the dissolved fraction is often thought to Ag 

most bioavailable form (Reidy et al., 2013).  

8.4.3 ZFLs waterborne exposure to ageing AgNM; within lentic and lotic systems  

Zebrafish larvae’s time-dependent silver body burdens within ageing exposure conditions 

differed between lentic and lotic exposures. Both lentic and lotic systems showed decreased 

ZFL body burdens as the system aged.  However, the ZFL body Ag burden was higher (1.6-1.8 

fold) within the flow-based scenarios for the two and ten-day exposures, respectively. These 

findings align with Hillwalker, Jepson & Anderson's (2006) findings, demonstrating that lotic 

conditions resulted in higher body burdens of selenium within insects. However, the 

relationship changed for ZFL exposed at eighteen days of system ageing, where no difference 

in body burden was present between exposure conditions.  

Nonetheless, this increase in ZFL body burden within the low shear flow multinary system 

(AgNM+C+Ha+S) falls in line with the discovery that low shear flow appeared to increase the 

ZFL body burden within the AgNM+Ha test scenario (6.4.2.). Ha overriding influence may 

increase ZFL Ag body burden in conjunction with low shear flow within the acute experiments 

(6.4.2.). In addition, the observed higher ZFL Ag body burden in the AgNM+Ha+F treatment 

within the first two time points (two and ten days) may also have been co-influenced by the low 

shear flow (Gratiot & Manning, 2004; Lv et al., 2018). This likely results in a higher turnover 

and persistence of the AgNM within the water column (Gao et al., 2012; Luo et al., 2018), 

driven by the water circulation within the test system, which in combination with the influence 

of Ha, may have led to a higher Ag ZFL body burden within the low shear flow system. These 

findings align with Goodhead et al. (2015), who also showed that CeO2 uptake was increased 

within the flow-based exposure.  

Findings for the influence of a multinary system on Ag systemic bioavailability within ZFL 

indicated less Mt2 induction within lentic and lotic systems. In contrast, ZFL within both lentic 

and lotic exposures did not show increased Mt2 expression relative to the controls for all time 
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points. This is an interesting point as it supports that even if AgNM+Ha+C+Sed+F may result 

in increased body burdens within ZFL, findings indicated that the internalised Ag is not 

bioactive.  At least not to the ZFL metallothionein pathway, indicating AgNM poses less risk 

within multinary systems. This may also relate to the fact that aged systems show smaller ZFL 

body burdens than pristine systems, supporting lower bioavailability of Ag within the multinary 

system. These findings support that ageing systems' bioavailability is less severe than others 

have recently demonstrated and discussed (Mallevre et al., 2016b; Schultz et al., 2018b; 

Spurgeon, Lahive & Schultz, 2020c). In addition, the ZFL body burden reduced with time, in 

both lentic and lotic systems, despite Ag waterborne concentration persisting within the lentic 

system throughout the time course (where the Ag concentration persisted at 70% of the initial 

dose). However, just because Ag aged within a multinary systems resulted in less bioavailability 

than pristine Ag within isolated systems (single factor systems), this does not mean ZFL body 

burdens are not harmful further up the food chain (Croteau, Luoma & Stewart, 2005; Tangaa et 

al., 2016). 

8.4.4 Synthesis and chapter conclusions 

The objective of this piece of work was to investigate if abiotic factors within simulated dynamic 

exposures, in combination with biomarkers of exposure, may help in elucidating the causal 

relationship between total water column Ag concentration and ZFL tissue burdens and 

bioavailability. Conjecture was that body burden would have been lower within the flow conditions, 

(due to lower Ag concentration in the water column) leading to a further reduction in body burdens 

with the additions of humic acid and clay exposure conditions. However, ZFL exposure to 

waterborne AgNM and its concomitant dissolved fraction was not a simple relationship. In essence, 

this study was a proof-of-concept design for addressing the role of a dynamic system in evaluating 

how AgNM exposure is modulated within aquatic environmental systems.  The main conclusion is 

that there is no clear relationship between total water column silver concentrations and the amount 

accumulated over an acute 48hr exposure.  

 

 Future work may further delineate the contribution of uptake from the AgNM particle vs the 

fraction that comes from the AgNM concomitant dissolved fraction, where these experiments would 

investigate an equivalent dissolved fraction dosed into variable abiotic conditions.  Such an 

experiment may elucidate whether the dissolved fraction is primarily responsible for the uptake 
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seen here, further elucidating the trends in this data. If this were the case, it would make sense that 

the uptake would be independent of the total water column silver concentration because a more 

significant percentage of the water column concentration comes from the particulate form. 

However, a previous chapter’s findings support (demonstrated in Chapter 6) that the particulate 

fraction of the total silver in the water column is the component controlled by the turbulence, which 

results in the different exposure conditions seen within these experiments.  Having conducted this 

work, it was still considered that the approach adopted here allows for exploration of exposure 

scenarios via the permutation of variables that control the water column behaviour of a contaminant 

of interest and allows for the generation of environmentally relevant conditions, which can be 

experimented with as a function of condition and time. This approach, with further refinement, may 

bring us closer to generating more accurate environmental exposure coefficients and lead to more 

accurate exposure and bioavailability prediction of different riverine systems.    
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9 Chapter 9. Final thoughts and considerations  
9.1 AgNM behaviour within quiescent freshwater aquatic systems (Chapter 3) 

In summary, the objective of the track for this work was to investigate the aqueous phase (water 

column) behaviour of selected AgNM. AgNM were selected with characteristics that were 

thought to make them more persistent in natural waters; an organic and surfactant coating which 

both provide electro/chemical stabilisation systems (in this case, PVP coating surfactant-based 

stabilisation)(Bathi et al., 2021). The sole purpose of many AgNM functional groups or 

surfactant legends is to increase the stability of NM within the aqueous phase (Klein et al., 

2011; Koczkur et al., 2015; Rónavári et al., 2021). However, these mechanisms can break down 

over time, destabilising the colloidal system, or the functional group or synthetic ligands can 

be displaced in the environment by natural ligands (Wan et al., 2018). Chapter 3 addressed the 

time-dependent effects of contrasting ionic strength and model organic matter (humic acid). 

The work assessed their influence on two AgNM persistence within the water column, and their 

impacts on their AgNM physicochemistry. These relationships were investigated as a function 

of time that reflected acute toxicity tests (96hrs) (Römer et al., 2013; Shaw et al., 2016). The 

findings for this work demonstrated that the two selected AgNM300&PVP differed in their water 

column behaviour and physicochemistry, with AgNM300 being more stable than AgNMPVP. 

These differences were thought to be partially driven by the differing starting state the AgNM 

were supplied in, one was powder, and the other was supplied as a stabilised nano-solution 

(already in liquid form). The procedure used for the experimental stock preparation, i.e. 

sonication length (bath), also differed between the tested particles. Therefore, this work 

highlighted the importance of the materials' state, the methods used to prepare nano-suspensions 

and their effects on the water column behaviour and colloidal stability. It is a pertinent point, 

such that others are also drawing attention to this as the size distribution and preparation, and 

handling of NM can have critical effects on the severity of the toxicity of any tested NM 

(Potthoff et al., 2015; Römer et al., 2013; Boyle et al., 2014).  

 For the AgNMPVP particle, a persisting residual concentration of NM persevered in the water 

column. At the end of the experiment, this subpopulation of AgNMPVP particles was present 

within the water column. This phenomenon represents an environmentally relevant scenario, 

where the particles that persisted (the residual population) were thought to be selected for by 

the specific abiotic conditions of this experiment, which appeared to drive the evolution and 
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size of the flocculates. This residual concentration of flocculates consisted of particles with an 

optimal electro/chemical stabilisation system for the specific water chemistry tested. In 

contrast, the AgNM300 particles was very stable in the tested conditions. These results also 

showed that neither the contrasting soft and hard water for both experimental particles affected 

the dissolved fraction nor the particle's flocculation state. The zeta potential of the particles was 

very slightly affected by contrasting ionic strength, as it decreased during the time course.  

Contrasting ionic strengths' influence on the functionalised AgNM particles' behaviour over a 

ninety-six-hour course revealed minimal differences. It may be that the magnitude of the 

difference between tested conditions (considering the possible range of ionic strength, such as 

freshwater vs saltwater) was not enough to drive a change in AgNM behaviour. However, the 

difference tested is environmentally relevant. The influence of ionic strength in groundwater or 

effluent enriched surface water, which often has a higher ionic strength than other waters, may 

have a more distinguished effect on AgNM water-column behaviour. The finding of a minimal 

influence of water hardness on AgNM behaviour in this study is different from Römer et al., 

(2013) study, which highlighted the critical role water hardness can have on AgNM behaviour 

during lab toxicity studies, which can have implications for comparisons of lab-based toxicity 

tests, for example when making comparisons between LC50 values between studies with 

different water chemistry. Specifically, the role of ionic strength modulated the particle's 

aggregation state, which was believed to affect the toxicity of AgNM to Daphnia magna.  

AgNM residual persistence in the water column is a factor that can drive hazard. This 

phenomenon demonstrates AgNM potential persistence within freshwater systems, and under 

these circumstances, particles may have a greater propensity to be transported over greater 

distances and cause an impact on organisms. AgNM behaviour was not stable, where settling 

was seen with time, indicating that this is an issue within toxicity tests as there will be a 

modification effect on the exposure regime. Dynamic AgNM exposure is an important 

consideration when designing toxicity concentration-response experiments, and this 

demonstrates that their time-dependent exposures deviates from contaminants that form a stable 

dispersion.  

The effects of humic acid showed minor stabilisation effects on both tested AgNM. The most 

distinguished effect was an increase in the dissolved fraction seen for the AgNM300 particle, 

which could have considerable ramifications within the freshwater environment. The zeta 
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potential from AgNM300 particles was also affected by humic acid, supporting the hypothesis 

that it plays a significant role in the electrostatic stabilisation of AgNM colloidal systems.  

The recommendations for future studies would be to investigate the water chemistry modulation 

of potentially persistent nanomaterials by manipulating essential freshwater electrolyte 

concentration, emphasising longer-term studies. Another critical point to focus on would be the 

effect of the formation of eco-corona on AgNM dispersion, including the effect of exudates 

from organisms and microbes; this may also play a critical role in the flocculation and 

sedimentation mechanics of AgNM within toxicity tests. 

9.2 Influence of low shear flow and non-cohesive sediment on AgNM waterborne 

behaviour (Chapters 4&5 respectively) 

Local geographical conditions are vital to understanding AgNM waterborne exposure and 

impacts; given that water chemistry and sediment composition vary significantly throughout 

different regions. It was hypothesised that the modulation of AgNM waterborne persistence and 

behaviour would occur differentially within disparate assemblages of selected freshwater 

abiotic conditions. Therefore, Part1 of this body of research pursued studies to delineate the 

differences in the effect of static and flowing aquatic environments on the aqueous phase 

persistence and behaviour of AgNM, and Part2, addressed the influence of non-cohesive 

sediments on AgNM aqueous phase settling rates and behaviour within low shear flow.  

This work demonstrated that an essential factor influencing the fate and behaviour of AgNM in 

aquatic environments is low shear turbulent flow. This contribution is novel since little work 

has been done to assess the influence of lotic environments on aqueous phase AgNM exposure 

in riverine systems. To summarise, findings indicated that flow conditions increased AgNM 

settling rates (Vs; settling rates) relative to static conditions. In addition to this, the presence of 

a sand bed had further increased settling rates. However, there is room for improvement in 

estimating settling rates for future studies. It is important to consider that the calculated 

waterborne settling rates were estimated by a model, which considers water column 

concentration settling/persistence to be due to the combined effects of sedimentation and 

sorption processes, estimated from measured total silver concentration in the water column. 

Nevertheless, efforts were made to build the test systems out of suitable materials to minimise 

sorption to the test system. Discussion were had with experts in the field (FENAC, 

Birmingham), to select materials that have been evaluated for adsorption. Basic tests were done 
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with beakers and different materials were dipped in AgNM solutions and left to visually see 

how much was adsorbed (data not shown).  

To address some of the concerns of adsorption on the accurate calculations of settling rates, 

measures were taken prior to commencing experiments, whereby the test systems were dosed 

with a high concentration of AgNM to saturate the test systems' binding sites, followed by a 

series of rinse cycles with Milli-Q. However, supporting results (reported in the appendix) 

indicated that adsorption processes onto the walls and paddle may have still been a covariate, 

influencing settling rates in flow systems. Nonetheless, other researchers who have also 

obtained estimated settling rates within static systems e.g., Velzeboer et al. (2014), also found 

similar sedimentation values for AgNM. However, it is important to highlight that the adsorption 

process are an undeniable natural process (which is under-explored in the NM fate research 

field) affecting the persistence of AgNM in freshwater ecosystems. Adsorptions contribution to 

the AgNM fate processes should be considered in more detail within freshwater streams, where 

differences in lithology (substrata) could be a driving factor in the aqueous phase removal of 

waterborne AgNM. 

Nonetheless, postulating that adsorption processes may be disproportionally responsible for 

settling rates within this test system did not seem accurate. In addition, the impact of adsorption 

on the estimated AgNM waterborne settling rates will lesson over time, as the adsorption sites 

are saturated, as the annular flume was used. As such, the dominant factor influencing the 

settling was thought to be flocculation, which in low organic matter conditions appeared to be 

accelerated by flow within both tested systems. Other supporting evidence obtained within this 

research, which indicated that turbulent flow appears to destabilise AgNM colloidal systems, is 

that waterborne floc-size increased within the flow conditions as a function of time (as 

supported by the increase in aggregation/agglomeration state. Results indicated an increase in 

floc-size, which was thought to be the driving process of the AgNM colloidal destabilisation.  

Within our experiments, the contribution of the adsorption processes to AgNM persistence was 

not thought to be consistent throughout all the experiments since the addition of clay, and 

organic matter can modify the floc-evolution and interactions with surfaces, thus altering the 

attachment or, for lack of a better word 'stickiness' of these structures. Therefore, differences 

between conditions could also partially be attributed to differences in attachment to the surface 

area of the test system. For this reason, absolute relative comparison between experiments is 
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challenging, making it difficult only to attribute the effects observed within experiments to 

turbulent flow alone. However, results from the experiments support the hypothesis that 

'turbulent flow affects AgNM waterborne behaviour'. The results further revealed that this was 

more relevant within specific abiotic conditions, such as low organic matter, where the flow 

will be the dominating factor affecting the persistence and behaviour of waterborne AgNM.  

 

9.3 The influence of water composition on AgNM waterborne toxicity (Chapter 6&7) 

Following the release of AgNM into the environment, AgNM will undergo ageing, which 

inevitably will affect organism exposure to NM. The timescale within which these mechanisms 

occur is important, as the timescale toxicants take to act will directly affect the organism's 

ability to survive. The effects of acute timescales indicate that most mortality in freshwater 

AgNM aqueous exposures for lethal concentrations occurs within the first 24hrs. The 

concentrations of NM which cause mortality within this series of experiments do not currently 

reflect the predicted long-term concentrations in freshwater environments. However, in the 

event of a spillage, a higher concentration will likely occur. The selected, tested abiotic factors 

represent constituents of freshwater environments, which are likely to modulate acute toxicity. 

The extent to which these factors modulate toxicity is negligible relative to the effect 

environmental factors have on AgNM fate and behavior (see chapter 4&5). Exposure is 

significantly modulated by factors influencing colloidal stability and, therefore, aqueous phase 

persistence and exposure. Therefore, considering the predicted environmental concentrations, 

the important consideration is how environmental factors affect sublethal uptake, accumulation, 

systemic bioavailability, and biomagnification. However, these results reveal insight into the 

potential factors that may indicate real risk within the environment and are relevant to a 

potential spill event. This body of results helps understand which freshwater environments may 

be more vulnerable to impact from AgNM. This result indicates that soft water with low organic 

matter and inorganic clays may put organisms at greater risk from NM. This finding is helpful 

for environmental managers, who can bear this in mind when managing geographical river 

systems that fit this description, provided they think there is good evidence for such systems to 

have been exposed to AgNM. This tailoring in an approach helps develop a targeted approach 

to managing NM impacts in freshwater environments. Results also highlight that environmental 
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factors influence on AgNM toxicity varies between species from different taxonomic species, 

which is essential to consider when assessing risk.   

9.4 The influence of exposure scenarios on AgNM bioavailability (Chapter 8) 

In summary, this research attempted to assess the effect of dynamic AgNM waterborne 

exposures and evaluate the effects of selected abiotic factors on exposure and bioavailability. 

The aim was to conduct a model exposure assessment within dynamic, environmentally 

relevant conditions. In conclusion, the results support the use of metallothionein (mRNA) to 

assess the bioavailability of AgNM. A further recommendation for supporting bioavailability 

assessment would be to incorporate expression from various functional-genes analyses to make 

assessing exposure more comprehensive. These could be selected from critical pathways 

showing antagonistic effects or being reactive to heavy metals. The modulation of uptake and 

accumulation by the selected, tested abiotic factors did not have a strong direct effect. The 

accumulation seen appeared to be independent of the waterborne concentration, which was 

affected differently by the static and flow conditions.   Indicating the modulation of 

bioaccumulation (48hrs) within larvae is regulated by mechanisms such as the absorption, 

distribution, metabolism, and excretion of AgNM within fish larvae (ADME), which may be 

regulated by modulation to the physicochemistry or modification to the core speciation of the 

particles.   Adding to this, the effect of static and flow on the accumulation was not clear cut. 

However, an increase in accumulation within the flow AgNM+Ha acid condition was present, 

indicating that possibly flow-dependent effects are important in the modulation of waterborne 

AgNM within organic matter. The expression of metallothionein (mRNA) did indicate that 

abiotic effects were present, whereby the bioavailability of AgNM was different between 

exposure conditions. However, a further assessment would be required to elucidate the 

mechanism responsible for these differences conclusively. Time-dependant and exposure 

regime effects were present, indicating that the modulation of waterborne concentration, driven 

by flow conditions, appeared to influence the bioaccumulation within pristine exposures. 

However, these effects were not present within the aged exposures, despite the persistent 

differences in water column concentrations. No difference in bioavailability was measured via 

metallothionein expression (mRNA) within the combined abiotic condition as a function of 

time, or static or flow exposures. 
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11 Appendix 
11.1 Appendix A- Supporting information for Chapter 3 

Data summary 

Table 11.1 Summary table of the trends found in chapter 3. 
Response NM effect outcome- comments 

Total conc. AgNMPVP
 Hard vs Soft - rapid sedimentation 

-time sig. 

- sig. Diff. between H vs S 

Total conc. AgNM300
 Hard vs Soft - weak sedimentation 

-time, not sig. 

-no effect H vs S 

dissolved fraction AgNMPVP
 Hard vs Soft -a lower dissolved fraction 

-no effect of time 

-no effect of H vs S 

dissolved fraction AgNM300
 Hard vs Soft -a higher dissolved fraction 

-no effect of time 

-no effect of H vs S 

size of AA AgNMPVP
 Hard vs Soft -larger AA size 

-no effect of time 

-no effect of H vs S 

size of AA AgNM300
 Hard vs Soft -smaller AA size 

-no effect of time 

-no effect of H vs S 

zeta potential AgNMPVP
 Hard vs Soft -less negative charge 

-large variability 

-no effect of time 

zeta potential AgNM300
 Hard vs Soft -more negative charge 

-large variability 

-no effect of time 

Total conc. AgNMPVP
 humic acid - rapid sedimentation 

-time sig. 

- effect of Ha 

Total conc. AgNM300
 humic acid - weak sedimentation 

-time, not sig. 

- effect Ha 

dissolved fraction AgNMPVP
 humic acid -Ha increased dissolved silver 

dissolved fraction AgNM300
 humic acid -Ha increased dissolved silver 

size of AA AgNMPVP
 humic acid -main effects present for 30mg/L 

i.e. greater dispersion at the start of exp. 

-no effect on others 

size of AA AgNM300
 humic acid -effects present for 10mg/L improved dispersion (time) 

-no effect for others 

zeta potential AgNMPVP
 humic acid -no effect on the intercept 

- Ha modified time relationships for 10&30 mg/L 

-no effect for 10 mg/L  

zeta potential AgNM300
 humic acid -no effect on the intercept 

-Ha modified time relationships for 10&30 mg/L 

11.2 Appendix D- Supporting information for Chapter 4&5 
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Additional data 

Table 11.2 Least squares model summary, model fitted to the total aqueous phase silver phase 

concentration, measured as a function of time within the different tested conditions within the small 

test systems (1.8ltr). 

Condition Coefficient Flow±SE Static±SE 

Ag Co 88.68±1.16 92.35±1.17 

Crc 6.53±1.87 29.35±1.50 

Vdec 0.011±0.008 0.005±0.005 

AgNM(PVP) Co 2165.71±1.77 4460.57±1.64 

Crc 10.85±1.15 40.13±1.13 

Vdec 0.038±1.798 1.203±3.434 

Ag NM(PVP)+2Ha Co 1071.18±1.64 14559.00±1.64 

Crc 24.54±1.17 45.00±1.14 

Vdec 0.705±1.404 0.800±2.654 

AgNM300 Co 18385.00±1.18 3263.49±1.18 

Crc 70.00±1.34 59.02±1.77 

Vdec 0.028±0.042 0.001±0.002 

AgNM300+2Ha Co 1771.00±1.18 3620.58±1.14 

Crc 73.00±1.36 58.94±2.64 

Vdec 0.029±0.037 0.001±0.001 
Co= estimated concentration at t=0 

Crc= residual aqueous phase concentration 

Vdec= aqueous phase decrease rate 

 

Table 11.3 The total silver accounted for within the annular systems. Data reported in mg.  

Time 
(h) 

 Settled 
amount 
(mg) 

Suspended 
amount (mg) 

Total 
silver 
(mg) 

Fraction of total 
silver in system 
(%)* 

Amount of silver 
attributed to 
adsorption (%) 

 Flow system 

24  6.0 23.1 29.1 81.39 18.61 

48  12.2 11.5 23.7 66 34 

96  21.5 2.75 24.25 67 33 
*values reported as a percentage of the measured concentration (C0 =35.75mg). Settled values were measured 

by sampling an area (8cm2) of the sedimented silver and extrapolating to the whole area of the flume. The 

suspended fraction was also calculated by extrapolating the total quantity of Ag within the water column, from 

the measured water concentration.  

 

Table 11.4 Water chemistry measured in the experiments performed in the annular flow system 

Treatment pH Temperature 
(°C) 

Conductivity (µSm-

1 ) 
Oxygen 
(mg/dL) 

Static no sediments 7.133 - 
7.309 

21.3 - 24.1 141.3 - 155.5 8.19 - 8.40 

Satic+Ha no sediment 7.257 - 
7.516 

20.2 - 24.3 140.0 - 155.0 7.89 - 8.93 

Flow no sediments 
rep.1 

7.314 - 
7.663 

21.4 - 25.0 142.1 - 167.0 8.35 - 8.94 
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Treatment pH Temperature 
(°C) 

Conductivity (µSm-

1 ) 
Oxygen 
(mg/dL) 

Static + Clay 7.157 - 
7.416 

20.2 - 25.3 150.0 - 156.0 7.79 - 8.92 

Flow + Clay rep.1 7.293 - 
7.342 

19.6 - 24.7 144.3 - 155.4 8.31 - 8.72 

Flow no sediments 
rep.2  

7.334 - 
7.461 

21.9 - 24.9 150.5 - 168.9 8.38 - 8.78 

Flow no sediments 
rep.3 

7.372 - 
7.472 

22.2 - 24.4 198.5 - 202.1 8.47 - 8.60 

Flow + Clay rep.2 7.310 - 
7.353 

21.7 - 25.3 137.7 - 144.8 8.37 - 8.47 

Flow + Clay rep.3 7.360 - 
7.390 

22.0 - 25.1 136.5 - 142.1 8.35 - 8.43 

Flow + sand + clay 7.360 - 
7.460 

22.9 - 25.9 153.2 - 515.5 8.35 - 8.44 

Flow+Ha+sand 7.346 21.8-24.2 140.2-335.0 8.27-8.47 

flow + sand 7.384 - 
7.438 

19.6 - 26.1 139.3 - 445.0 7.93 - 8.66 

 

Figure 11.1 A) The sedimentation rate 

of AgNM300 expressed per day, within 

contrasting abiotic conditions. B)  The 

fraction of AgNM300 removed from the 

water phase due to the presence of 

kaolinite clay, within quiescent and 

turbulent and low shear flow. 

Calculated by subtraction of C12/C0 

for static conditions from the C12/C0 

of turbulent flow conditions.

A

B
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Figure 11.2 Size characterization of Kolainite clay suspended in OECD freshwater. A) 

was acaotured using CPS-disk centrifugation. B) Was measured using dynamic light 

scattering. Resutls show that kaolinite clay is polydispewrsed within the water column.  
 

 

A 

B 
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Figure 11.3 Examples of the Bedforms that were created by the low shear flow within 

the annular flume. 

 

Figure 11.4 TEM images (above) and DLS measurements (below) of kaolinite clay. 

Produced by Wang et al., (2015). 
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11.3 Appendix B- Supporting information for Chapter 6 

Additional data 

 

 

 

 

 

 

 

 
Figure 11.5 A) Silver Bulk (3-5micron) 

mortality in Lumbriculus variegatus in  ISO 

hard water medium B) The successful body 

reversal of L.variegatus exposed to waterborne 

bulk silver.  

 

 

 

 

 

 

 

 
Figure 11.6 A) The relative comparison of pH 

(ISO hard water) of exposure concertation of 

bulk silver particulates. B) The relative 

comparison of conductivity between bulk 

exposure concentrations. 
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Figure 11.7 A) The effect of humic acid 

(Suwanee river ) concentration on silver 

nanomaterial mortality in Lumbriculus 

variegatus  (Ag NM 30-50nm; PVP 

0.2wt%; 10mg/l; n =10), in  HW 

(250mgCaCO
3
; OECD medium,) pH 

adjusted to 7.5 with NaOH and HCl every 

24hrs, 96hr. B) The effect of humic acid 

concentration on the successful body 

reversal of L.variegatus exposed to 

waterborne AgNM (5mg/l) n=10. 

%mean±SD. 

 

 

 

 

 

 

 

 

 

Figure 11.8 The effect of pH on silver 
nanomaterial  mortality in Lumbriculus 
variegatus  (Ag NM 30-50nm; PVP 0.2wt%; 
10mg/l; n =10), in  HW (250mgCaCO3;OECD 
medium,) pH adjusted daily   with NaOH  & HCl 
.  A) bar plot B) regression plot. 
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Figure 11.9 A) The effect of pH on the 

successful body reversal of 

L.variegatus exposed to waterborne 

AgNM (5mg/l) n=10. %mean±SD.B) 

The measured pH at t=0.5 and 96hrs. 

 

 

 
 

 

 

 

 

Figure 11.10 A) A comparison of the 

medium conductivity at t=0.5 and 

t=96hrs during the pH experiment. B) A 

comparison of the pH of the medium as 

a function of time during the 

experiment.  
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Figure 11.11 A) A comparison of the pH of the medium across concentrations during the AgNM dose-

response experiment. B) A comparison of the conductivity of the medium across concentrations during 

an AgNM dose-response experiment. They were taken at t=1. 

 
Table 11.5 Relative fold change in toxicity, as a function of time (24-96hr) of D. rerio larvae and L. 

variegatus exposed to aqueous phase silver (Ag), within hard synthetic freshwater (ISO, 2012). 

Delineator Aquatic organism 
Danio rerio  Lumbriculus variegatus 

LC-value  Time (hr) Estimate±Std. Error &(CI) & P-value 

10 48/24 0.98±0.06(0.86-1.11) 0.77 0.89±0.17(0.56-1.21) 0.54 

72/24 0.99±0.06(0.88-1.11) 0.93 0.86±0.16(0.55-1.18) 0.46 

96/24 0.89±0.06(0.78-1) 0.05* 0.83±0.15(0.54-1.12) 0.34 

72/48 1.01±0.06(0.9-1.13) 0.82 0.97±0.18(0.62-1.32) 0.88 

96/48 0.91±0.06(0.79-1.02) 0.1 0.94±0.16(0.62-1.26) 0.72 

96/72 0.89±0.05(0.79-0.99) 0.04* 0.96±0.17(0.63-1.3) 0.84 

50 48/24 0.97±0.04(0.89-1.06) 0.53 0.81±0.09(0.64-0.98) 0.07 

72/24 0.88±0.03(0.81-0.95) 0.00*** 0.78±0.08(0.62-0.94) 0.04* 

96/24 0.85±0.04(0.78-0.92) 0.00*** 0.65±0.07(0.52-0.78) 0.00*** 

72/48 0.9±0.03(0.83-0.97) 0.00*** 0.97±0.1(0.78-1.15) 0.73 

96/48 0.87±0.04(0.8-0.94) 0.00*** 0.81±0.08(0.66-0.96) 0.04* 

96/72 0.97±0.03(0.9-1.04) 0.39 0.84±0.08(0.68-0.99) 0.08 

90 48/24 0.96±0.11(0.75-1.17) 0.72 0.71±0.2(0.33-1.1) 0.29 

72/24 0.74±0.07(0.6-0.88) 0.00*** 0.68±0.19(0.32-1.05) 0.24 

96/24 0.8±0.08(0.64-0.96) 0.01** 0.47±0.12(0.24-0.7) 0.04* 

72/48 0.77±0.07(0.63-0.91) 0.00*** 0.96±0.24(0.49-1.43) 0.86 

96/48 0.83±0.08(0.67-0.99) 0.04* 0.66±0.15(0.36-0.96) 0.14 

96/72 1.08±0.09(0.91-1.25) 0.34 0.69±0.16(0.38-1) 0.17 

 

A

B
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Table 11.6 Relative fold change in toxicity as a function of time (24-96hr) of Danio rerio larvae and 

Lumbriculus variegatus exposed to aqueous phase silver nanomaterials (AgNM PVP; 0-15mg/l), within 

hard synthetic freshwater (ISO, 2012). 

Delineator Aquatic organism 

Danio rerio  Lumbriculus variegatus 

LC-value  Time (hr) Estimate±Std. Error &(CI) & P-value 

10 48/24 0.96±0.09(0.78-1.14) 0.68 1±0.11(1-1) 1 

72/24 0.94±0.09(0.76-1.11) 0.48 1±0.11(0.71-1.29) 1 

96/24 0.84±0.08(0.68-1) 0.05* 0.85±0.1(0.7-1.22) 0.14 

72/48 0.97±0.09(0.79-1.15) 0.77 1±0.11(0.71-1.29) 1 

96/48 0.87±0.08(0.71-1.03) 0.12 0.85±0.1(0.7-1.22) 0.14 

96/72 0.89±0.09(0.73-1.06) 0.22 0.85±0.1(0.7-1.22) 0.14 

50 48/24 0.92±0.06(0.82-1.03) 0.17 1±0.07(1-1) 1 

72/24 0.91±0.05(0.81-1.02) 0.12 1±0.07(0.81-1.19) 1 

96/24 0.86±0.05(0.76-0.96) 0.01** 0.85±0.06(0.67-0.92) 0.01** 

72/48 0.99±0.06(0.88-1.1) 0.87 1±0.07(0.81-1.19) 1 

96/48 0.93±0.06(0.82-1.04) 0.21 0.85±0.06(0.67-0.92) 0.01** 

96/72 0.94±0.06(0.83-1.05) 0.29 0.85±0.06(0.67-0.92) 0.01** 

90 48/24 0.87±0.11(0.65-1.1) 0.27 1±0.16(1-1) 1 

72/24 0.89±0.12(0.66-1.11) 0.33 1±0.16(0.57-1.43) 1 

96/24 0.89±0.12(0.66-1.12) 0.36 0.86±0.13(0.4-0.84) 0.28 

72/48 1.01±0.13(0.77-1.26) 0.91 1±0.16(0.57-1.43) 1 

96/48 1.02±0.13(0.77-1.27) 0.88 0.86±0.13(0.4-0.84) 0.28 

96/72 1.01±0.13(0.75-1.26) 0.97 0.86±0.13(0.4-0.84) 0.28 

 

Table 11.7 Relative fold change in toxicity as a function of time (24-96hr) of Danio rerio larvae and 

Lumbriculus variegatus exposed to aqueous phase silver nanomaterials (AgNM300; 0-6mg/l), within hard 

synthetic freshwater (ISO, 2012). 

Delineator Aquatic organism 
Danio rerio  Lumbriculus variegatus 

LC-value  Time (hr) Estimate±Std. Error &(CI) & P-value 

10 48/24 0.98±0.09(0.81-1.15) 0.83 0.54±0.12(0.31-
0.77) 

0.00*** 

72/24 0.76±0.06(0.64-0.88) 0.00*** 0.43±0.1(0.23-0.63) 0.00*** 

96/24 0.7±0.05(0.6-0.8) 0.00*** 0.45±0.1(0.25-0.65) 0.00*** 

72/48 0.77±0.07(0.64-0.91) 0.00*** 0.79±0.21(0.38-1.2) 0.32 

96/48 0.72±0.06(0.6-0.83) 0.00*** 0.83±0.21(0.41-
1.24) 

0.42 

96/72 0.93±0.07(0.79-1.06) 0.28 1.05±0.29(0.49-
1.61) 

0.87 

50 48/24 0.78±0.04(0.7-0.86) 0.00*** 0.66±0.07(0.52-
0.79) 

0.00*** 

72/24 0.65±0.03(0.59-0.71) 0.00*** 0.57±0.06(0.45-0.7) 0.00*** 

96/24 0.58±0.03(0.52-0.63) 0.00*** 0.53±0.06(0.42-
0.64) 

0.00*** 

72/48 0.83±0.04(0.75-0.91) 0.00*** 0.87±0.1(0.66-1.07) 0.21 

96/48 0.74±0.03(0.67-0.81) 0.00*** 0.8±0.09(0.62-0.99) 0.04* 

96/72 0.89±0.03(0.82-0.96) 0.00*** 0.93±0.11(0.82-
1.34) 

0.5211 
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Delineator Aquatic organism 
Danio rerio  Lumbriculus variegatus 

LC-value  Time (hr) Estimate±Std. Error &(CI) & P-value 

90 48/24 0.57±0.08(0.42-0.72) 0.00*** 0.86±0.21(0.45-
1.27) 

0.5 

72/24 0.52±0.06(0.39-0.65) 0.00*** 0.84±0.21(0.43-
1.26) 

0.47 

96/24 0.44±0.05(0.34-0.55) 0.00*** 0.66±0.16(0.36-
0.97) 

0.03* 

72/48 0.91±0.1(0.71-1.11) 0.37 0.98±0.26(0.47-
1.49) 

0.95 

96/48 0.77±0.08(0.61-0.93) 0.01** 0.77±0.19(0.4-1.15) 0.23 

96/72 0.85±0.08(0.69-1) 0.06 0.78±0.2(0.39-1.18) 0.28 

 

Table 11.8 Relative change in toxicity (96hr) of Danio rerio larvae and Lumbriculus variegatus 

exposed to dissolved aqueous phase silver in hard and soft synthetic freshwater without and 

with model organic matter (ISO, 2012). 
Species Toxicant Water 

chemistry 
LC 
value 

Estimate±Std. Error 
&(CI) 

p-value 

D
an

io
 r

e
ri

o
 

Ag HW/Ha* 10 0.89±0.07(0.76-1.03) 0.12 

SW/Ha 0.32±0.04(0.25-0.39) 0.00*** 

SW/HW 0.36±0.04(0.28-0.43) 0.00*** 

HW/Ha* 50 0.9±0.05(0.81-0.99) 0.03* 

SW/Ha 0.51±0.03(0.44-0.57) 0.00*** 

SW/HW 0.56±0.03(0.5-0.63) 0.00*** 

HW/Ha* 90 0.91±0.11(0.7-1.12) 0.41 

SW/Ha 0.95±0.13(0.7-1.2) 0.69 

SW/HW 1.04±0.11(0.82-1.26) 0.72 

L.
va

ri
eg

at
u

s 

Ag HW/Ha* 10 3.82±2.48(2.28-5.35) 0.26 

SW/Ha 1.4±0.99(0.79-2.01) 0.69 

SW/HW 0.37±0.22(0.23-0.5) 0.00 

HW/Ha* 50 3.11±1.1(2.43-3.79) 0.05* 

SW/Ha 1.25±0.48(0.96-1.55) 0.59 

SW/HW 0.4±0.13(0.32-0.48) 0.00*** 

HW/Ha* 90 2.36±1.64(1.34-3.38) 0.41 

SW/Ha 1.08±0.75(0.62-1.55) 0.91 

SW/HW 0.46±0.29(0.28-0.64) 0.06 
*Ha HW for DR 

*Ha SW for LV 
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Table 11.9 Relative change in toxicity (96hr) of Danio rerio larvae and Lumbriculus variegatus 

exposed to two forms of aqueous phase silver nanomaterials in hard and soft synthetic 

freshwater (ISO, 2012). 
Species NM Water 

chemistr
y 

LC 
value 

Estimate±Std. Error & CIc 
(mg/l) 

p-value 
D

an
io

 r
e

ri
o

 

AgNM300 Swb/Hwa 10/10 0.52±0.14 (0.24-0.81) 0.00*** 

AgNMPVP  0.36±0.1 (0.17-0.55) 0.00*** 

AgNM300/AgN
MPVP 

Hw/Hw 0.13±0.03 (0.08-0.18) 0.00*** 

Sw/Hw 0.07±0.02 (0.03-0.1) 0.00*** 

Hw/Sw 0.36±0.1 (0.17-0.55) 0.00*** 

Sw/Sw 0.19±0.06 (0.07-0.31) 0.00*** 

AgNM300 Hw/Sw 50/50 0.44±0.07 (0.31-0.57) 0.00*** 

AgNMPVP  0.38±0.06 (0.27-0.49) 0.00*** 

AgNM300/AgN
MPVP 

Hw/Hw 0.13±0.02 (0.1-0.16) 0.00*** 

Sw/Hw 0.06±0.01 (0.04-0.08) 0.00*** 

Hw/Sw 0.34±0.05 (0.24-0.44) 0.00*** 

Sw/Sw 0.15±0.03 (0.1-0.20 0.00*** 

AgNM300 Hw/Sw 95/95 0.36±0.1 (0.16-0.560 0.00*** 

AgNMPVP  0.41±0.13 (0.15-0.670 0.00*** 

AgNM300/AgN
MPVP 

Hw/Hw 0.13±0.04 (0.06-0.2) 0.00*** 

Sw/Hw 0.05±0.01 (0.02-0.07) 0.00*** 

Hw/Sw 0.32±0.1 (0.11-0.52) 0.00*** 

Sw/Sw 0.11±0.04 (0.04-0.19) 0.00*** 

Lu
m

b
ri

cu
lu

s 
va

ri
eg

at
u

s 

AgNM300 Sw/Hw 10/10 1.07±0.26 (0.57-1.57) 0.79 

AgNMPVP  0.79±0.14 (0.52-1.05) 0.12 

AgNMPVP/AgN
M300 

Hw/Hw 18.29±3.72 (10.99-25.59) 0.00*** 

Sw/Hw 14.4±3.4 (7.74-21.06) 0.00*** 

Hw/Sw 17.11±3.02 (11.18-23.03) 0.00*** 

Sw/Sw 13.47±2.87 (7.84-19.1) 0.00*** 

AgNM300 Hw/Sw 50/50 0.88±0.1 (0.68-1.08) 0.25 

AgNMPVP  0.92±0.08 (0.76-1.08) 0.32 

AgNMPVP/AgN
M300 

Hw/Hw 10.9±1.06 (8.81-12.98) 0.00*** 

Sw/Hw 10±1.15 (7.75-12.25) 0.00*** 

Hw/Sw 12.34±1.12 (10.14-14.53) 0.00*** 

Sw/Sw 11.33±1.23 (8.91-13.74) 0.00*** 

AgNM300 Hw/Sw 95/95 0.68±0.15 (0.39-0.98) 0.03 

AgNMPVP  1.13±0.25 (0.65-1.61) 0.60 

AgNMPVP/AgN
M300 

Hw/Hw 5.44±1.06 (3.36-7.53) 0.00*** 

Sw/Hw 6.14±1.57 (3.07-9.21) 0.00*** 

Hw/Sw 7.96±1.37 (5.28-10.64) 0.00*** 

Sw/Sw 8.98±2.13 (4.79-13.16) 0.00*** 
aHw = Silver nanomaterial300&PVP hard water exposure (ISO, ref) 
bSw = Silver nanomaterial300&PVP soft water (tenfold ISO,ref) 
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Table 11.10 The effect of the addition of Suwannee river humic acid (10 mg/l) on the relative 

toxicity of two forms of silver nanomaterials (96hr) in Danio rerio larvae and Lumbriculus 

variegatus. 

Species NM Water 
chemistry 

LC value Estimate±Std. Error 
& CI (mg/l) 

p-value 
D

an
io

 r
er

io
 

AgNM300 Ha/Hw 10/10 3.04±0.71 (1.64-
4.44) 

0.00*** 

AgNMPVP  1.14±0.37 (0.42-
1.86) 

0.70 

AgNM300/AgNMPVP Ha/Hw 0.4±0.1 (0.22-
0.59) 

0.00*** 

Ha/Ha 0.35±0.12 (0.12-
0.59) 

0.00*** 

Hw/Ha 0.12±0.04 (0.04-
0.19) 

0.00*** 

AgNM300 Ha/Hw 50/50 2.11±0.27 (1.58-
2.65) 

0.00*** 

AgNMPVP  1.17±0.21 (0.76-
1.58) 

0.41 

AgNM300/AgNMPVP Ha/Hw 0.29±0.04 (0.21-
0.37) 

0.00*** 

Ha/Ha 0.25±0.05 (0.16-
0.34) 

0.00*** 

Hw/Ha 0.12±0.02 (0.08-
0.16) 

0.00*** 

AgNM300 Ha/Hw 95/95 1.3±0.35 (0.62-
1.98) 

0.38 

AgNMPVP  1.22±0.46 (0.31-
2.12) 

0.64 

AgNM300/AgNMPVP Ha/Hw 0.15±0.06 (0.04-
0.27) 

0.00*** 

Ha/Ha 0.19±0.05 (0.09-
0.29) 

0.00*** 

Hw/Ha 0.12±0.04 (0.03-
0.21) 

0.00*** 

Lu
m

b
ri

cu
lu

s 
va

ri
eg

at
u

s 

AgNM300 Ha/Hw 10/10 4.4±0.9 (2.63-
6.17) 

0.00*** 

AgNMPVP  1.6±0.18 (1.25-
1.95) 

0.00*** 

AgNMPVP/AgNM300 Ha/Hw 0.24±0.03 (0.18-
0.3) 

0.00*** 

Ha/Ha 0.15±0.02 (0.12-
0.18) 

0.00*** 

Hw/Ha 0.03±0.01 (0.02-
0.05) 

0.00*** 

AgNM300 Ha/Hw 50/50 1.87±0.18 (1.52-
2.23) 

0.00*** 
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Species NM Water 
chemistry 

LC value Estimate±Std. Error 
& CI (mg/l) 

p-value 

AgNMPVP  1.42±0.09 (1.23-
1.6) 

0.00*** 

AgNMPVP/AgNM300 Ha/Hw 0.17±0.01 (0.15-
0.19) 

0.00*** 

Ha/Ha 0.12±0.01 (0.11-
0.14) 

0.00*** 

Hw/Ha 0.06±0.01 (0.05-
0.08) 

0.00*** 

AgNM300 Ha/Hw 95/95 1.2±0.16 (0.89-
1.52) 

0.21 

AgNMPVP  0.6±0.11 (0.37-
0.82) 

0.00*** 

AgNMPVP/AgNM300 Ha/Hw 0.11±0.02 (0.08-
0.14) 

0.00*** 

Ha/Ha 0.09±0.01 (0.07-
0.11) 

0.00*** 

Hw/Ha 0.15±0.03 (0.1-
0.21) 

0.00*** 

 

11.4 Appendix E- Supporting information Chapter 8. 

Additional data 

 

Figure 11.12 A comparison of the uptake and depuration of silver in two forms: waterborne silver 

(supplied as AgNO3), and AgNM300 in Danio rerio larvae. 
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Figure 11.13 Raw data of a) spectral scans of RNA, b) ratio obtained from clean RNA c) qPCR 

amplification curves. 
 

 

 

Table 11.11 Stability of selected reference genes within D.rerio exposed to aqueous. 
conc µg/l  Ref. gene ave. std. sem  

0  16S ZFL 16.32 1.50 0.87  

0.5  16S ZFL 16.65 0.86 0.50  

1  16S ZFL 16.19 0.42 0.25  

2.5  16S ZFL 16.19 0.39 0.23  

6.25  16S ZFL 16.88 0.33 0.19  

12.5  16S ZFL 17.47 1.15 0.66  

25  16S ZFL 15.99 0.85 0.49  

0  bACTIN 24.77 1.24 0.72  

 

a

b

c



References  

327 

 

0.5  bACTIN 24.81 1.62 0.93  

1  bACTIN 25.90 0.23 0.14  

2.5  bACTIN 25.25 0.58 0.34  

6.25  bACTIN 24.80 1.96 1.13  

12.5  bACTIN 24.55 2.05 1.18  

25  bACTIN 24.25 0.95 0.55  

0  NADH ZFL 27.69 3.40 1.96  

0.5  NADH ZFL 27.38 2.66 1.54  

1  NADH ZFL 28.07 2.12 1.22  

2.5  NADH ZFL 28.79 2.16 1.25  

6.25  NADH ZFL 27.87 2.94 1.70  

12.5  NADH ZFL 28.65 1.42 0.82  

25  NADH ZFL 26.94 3.06 1.77  

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Figure 11.14 Cycle thresholds (Ct) of selected reference genes exposed to aqueous D.rerio 

exposed phase silver (Ag). 

R² = 0.0407
R² = 0.2138

R² = 5E-05

0.00

5.00

10.00

15.00

20.00

25.00

30.00

35.00

0 0.5 1 2.5 6.25 12.5 25

C
t

Conc. (µg/l)

16S

bACT


