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Nebenbei ermöglichte sie mir die Teilnahme an mehreren bedeutenden Seereisen, welche

mein bereits bestehendes Interesse zur Wissenschaft in eine uneingeschränkte Liebe mit

nun unbezahlbaren Erfahrungen und Erinnerungen umwandelte. Darüber hinaus möchte
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Abstract

Abstract

No anthropogenic pollutant is more widespread in the marine environment than microplas-

tics (MP). Expectedly, it also entails many problems. MP can be mistaken for food by

various marine animals and often causes blockages or inflammation in their digestive sys-

tems, which can even lead to death. Due to its inertness, the plastic itself is not directly

toxic to animals, but a wide range of additives can affect the health of marine fauna. In

addition, the respective monomers, degradation products, and sorbed pollutants are also

of concern. In particular, the long residence time of plastics in the marine environment

poses a problem, as the plastic particles have sufficient time to absorb pollutants and be

consumed by native organisms.

Regarding the amounts of plastic in the oceans, however, there are still large uncertain-

ties, as the determined amounts do not match the expected higher quantities. To resolve

this contradiction about plastic fate, the present work deals with the investigation of the

material sinking into the deep sea. These temporally resolved results provide information

on the abundances, polymer composition, and particle sizes of sinking MP particles to

elucidate the fate of the plastic while drawing conclusions about responsible transport

mechanisms. Furthermore, an additional laboratory experiment was implemented to de-

termine the weathering behavior of the five most common polymer types in the aqueous

environment.

The results showed that MP (mass) fluxes in the 2000 m deep Northeast Atlantic

were not only measurable but were up to 3146.81 items day−1 m−2 high. Furthermore, the

recorded fluxes varied greatly in both amount and polymer composition. Mainly polyethy-

lene (PE) was found in the samples, whose fluxes correlated with those of the lithogenic

fraction during 2003 - 2015, indicating an atmospheric transport pathway. The heavier poly-

mer types, consisting mainly of polyvinyl chloride (PVC), followed a seasonal dependence

with higher fluxes in winter, which could indicate transport within the water column. The

unexpectedly low percentage of polypropylene (PP) detected in sinking material compared

to the global application could arise from this polymer type’s observed low weathering

resistance in the aquatic system.
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Zusammenfassung

Zusammenfassung

Kein anthropogener Schadstoff ist in der marinen Umwelt weiter verbreitet als Mikro-

plastik, was erwartungsgemäß auch viele Probleme mit sich bringt. Mikroplastik kann

von verschiedenen marinen Spezies mit dessen Nahrung verwechselt werden und führt in

dessen Verdauungssystemen häufig zu Blockaden oder Entzündungen bis hin zum Tod.

Aufgrund der Reaktionsträgheit ist Plastik selbst nicht direkt toxisch für die Tiere, jedoch

kann die weite Bandbreite an Additiven Einfluss auf die Gesundheit der marinen Fauna

nehmen. Darüber hinaus sind auch die jeweiligen Monomere, Abbauprodukte, sowie sor-

bierte Schadstoffe bedenklich. Insbesondere die lange Verweilzeit des Kunststoffs in der

marinen Umwelt stellt ein Problem dar, da die Plastikpartikel ausreichend Zeit haben,

Schadstoffe aufzunehmen und von einheimischen Organismen konsumiert zu werden.

Hinsichtlich der Plastikmengen in den Ozeanen bestehen allerdings noch große Un-

sicherheiten, da die ermittelten nicht mit den erwarteten höheren Mengen übereinstim-

men. Um die Fragen nach dem Verbleib des Plastiks zu beantworten, befasst sich die

vorliegende Arbeit mit der Untersuchung des in die Tiefsee absinkenden Materials. Diese

zeitlich aufgelösten Mikroplastikabundanzen sollen Auskunft über die Häufigkeiten, Poly-

merzusammensetzung und Partikelgrößen der sinkenden Mikroplastikpartikel geben, um

damit den Verbleib des Plastiks aufzuklären und Rückschlüsse auf verantwortliche Trans-

portmechanismen zu erlauben. Damit außerdem der Einfluss der Verwitterung berück-

sichtigt werden kann, wurde das Verwitterungsverhalten der fünf in der Umwelt am häufig-

sten vorkommenden Polymertypen in einem Laborexperiment untersucht.

Die Ergebnisse zeigten, dass die Mikroplastik-(masse)flüsse in dem 2000 m tiefen Nor-

dost Atlantik nicht nur messbar waren, sondern bis zu 3146.81 Partikel Tag−1 m−2 betru-

gen. Darüber hinaus wurde beobachtet, dass die Flüsse sowohl in der Menge als auch in

der Polymerzusammensetzung stark variierten. Hauptsächlich wurde Polyethylen (PE) in

den Proben gefunden, dessen Flüsse in den Jahren 2003 - 2015 mit denen der lithogenen

Fraktion korrelierten, was auf einen atmosphärischen Transportweg hindeutet. Die schwer-

eren Polymertypen die hauptsächlich aus Polyvinylchlorid (PVC) bestanden, folgten einer

saisonalen Abhängigkeit mit höheren Flüssen im Winter, was auf einen Transport in der

Wassersäule hindeuten kann. Die unerwartet geringen Anteile von Polypropylen (PP) im

sinkenden Material im Vergleich zur globalen Anwendung, können die Folge der ermittelten

geringen Verwitterungsresistenz des Polymers im aquatischen System sein.
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1 Aims and Motivation

1. Aims and Motivation

The use of plastic in our modern society is fraught with considerable conflicts, as plastic

has greatly improved our quality of life and promoted economic development. However, its

disposal is not always adequately managed, making the pollution of the environment clearly

visible. This pollution is not without consequences from an economic and environmental

point of view. Due to the unsightly appearance of the polluted beaches, tourism suffers

losses, but the ecology is also severely affected. Furthermore, the large visible pieces of

plastic are just the tip of the iceberg.

The smaller MP particles are even more widespread, and their effects are not yet fully

understood. Moreover, according to initial experimental studies, MP has been found to have

a significant impact on marine species, and it can also enter the human diet via seafood. To

better understand the potential risks to humans and marine species, studies are essential to

clarify the distribution and fate of MP in the ocean. Due to the low weight, first expectations

assumed that MP accumulates at the ocean surface. However, more recent studies have

shown that the MP amounts determined in the marine environment do not correspond

to expectations. Consequently, there must be other unexplored processes influencing the

fate of MP. The fate of MP is expected to be mainly affected by two mechanisms: I) High

MP amounts that sink through the water column are preserved for the next hundreds

or thousands of years in the seabed; II) Fragmentation and mineralization of plastic are

caused by weathering processes.

This thesis will focus on both mechanisms to clarify the actual MP fate in marine

waters. In this context, the aims of this thesis were:

(a) Develop a suitable method to extract and analyze MP particles in sediment trap

samples (Reineccius et al., 2021).

(b) Determine MP abundances sinking into the deep sea using sediment trap samples to

prove that MP sinks through the water column (also for light MP) and to determine

the MP flux rate for time-resolved abundances (Reineccius & Waniek, 2022).

(c) Investigate the influence of weathering to improve our understanding of the remaining

MP in the aquatic system, which does not immediately sink through the water column

(Reineccius et al., 2022).

The first aim (a) was realized by laboratory experiments focusing on the extraction and

determination of MP particles in mass-limited samples from sediment traps (≤ 100 mg).

1



1 Aims and Motivation

The determination method should be as accurate as possible, which includes the lowest

possible contamination of the samples, effective removal of natural materials, and a high

recovery rate of MP particles. At the same time, the method should be fast and easy to

manage. A method that fulfills these two criteria was developed in the first stage of this

thesis (Reineccius et al., 2021).

This method was established to analyze MP particles in sediment traps, which are

useful to obtain timely resolved MP abundances from the water column. These analyses

were implemented in the second step (b) (Reineccius & Waniek, 2022). The consid-

ered traps were deployed at the edge of the North Atlantic Subtropical Gyre, which is

known to accumulate large amounts of plastic. This location enables the observation of

MP abundances at a remote place, with limited direct local plastic inputs by humans. In

this work, time-resolved MP fluxes in the deep ocean were determined for the first time.

These data can also be used to reveal correlations with previously examined data that can

provide information, e.g., about transport pathways. However, determining the residence

time of MP in the ocean is still doubtful. Furthermore, previous studies do not provide

accurate information about tracing the plastic age back, leading to the need for further

investigations in this field.

To get a rough overview of the retention time of MP in the aquatic environment, moni-

toring MP changes during exposure under environmental conditions is necessary. However,

the wide variety of plastic properties and local climate conditions is a big challenge for the

research. In addition, it is assumed that plastic is transported mainly via rivers, which leads

to a change in the salinity of the surrounding water in the rivers compared to the ocean.

Consequently, different polymer types should be chosen to observe chances over the expo-

sure time under aquatic environmental conditions (including sunlight, oxygen availability,

and water movements) at different water salinity. Such experiments were implemented in

the laboratory for 18 months in three different water types with different salinity (Warnow,

Baltic Sea, and South China Sea water) for aim (c) (Reineccius et al., 2022).
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2 Introduction

2. Introduction

2.1. Background Information

2.1.1. Application and Environmental Transport Pathways of Plastics

It is almost impossible to imagine our everyday life without plastic. Plastic is light, strong,

inexpensive, durable, and corrosion-resistant and can be used in a wide range of fields.

The range of applications can be further expanded by adding various additives such as

fillers, plasticizers, flame-retardants, thermal stabilizers, antimicrobial agents, or colors.

Finally, manufacturable plastic products range from flexible to rigid objects, adhesives,

foams, and fibers (Napper & Thompson, 2020). Plastic makes everyone´s everyday life

easier, offers many advantages for industry, e.g., in the food, construction, or automotive

sectors, and is an important contributor to medical progress (PlasticsEurope, 2021). The

first manufactured synthetic plastic, known as “Bakelite,” which was already produced in

the early 20th century, was used only in household products. However, with the discovery

of its versatility, plastic production increased rapidly, with mass production starting in the

1950s (Napper & Thompson, 2020). Meanwhile, the plastics industry is the eighth most

important in Europe, with a turnover of 330 billion Euros in 2020 (PlasticsEurope, 2021).

However, Europe is far from the continent with the highest plastic production. In 2020, 367

million tons of plastic were manufactured worldwide, of which 50% was produced in Asia

alone, 19% in North America, and 15% in Europe. The shares of Africa (7%) and South

America (4%) are lower (PlasticsEurope, 2021).

Most of the plastic today is used for commercial or industrial packaging and is therefore

intended for single use. Polymer types such as polyethylene (PE) and polypropylene (PP),

but also polyethylene terephthalate (PET), meet the corresponding requirements for pack-

aging materials, such as low weight and high elasticity. These three polymer types account

for 58.4% of European plastics production (PlasticsEurope, 2021). Considering polyvinyl

chloride (PVC), which is mainly used in the construction industry, polystyrene (PS) and

polyurethane (PUR), in addition to the plastics mentioned above, these are the six most

commonly produced polymers in Europe, which account for more than 80% of total plastics

production in 2020.

This young single-use culture of plastic for packaging materials has far-reaching con-

sequences. Careless handling and poor waste management, with global recycling rates of

only 9% in 2015, result in millions of tons of plastic entering the environment every year

3



2 Introduction

(Geyer et al., 2017). The mobilization of plastic by rivers, winds, or other environmental

factors, or direct input by shipping, fishing, or aquaculture, leads to the plastic eventually

ending up in the open ocean (Auta et al., 2017; Blumenröder et al., 2017; Rochman, 2018).

Supported by its long durability and ongoing entry, plastic accumulates in the ocean, which

is already reflected in the high plastic amounts within the large oceanic gyres called the

”Ocean Garbage Patches” (Egger et al., 2020; Lebreton et al., 2018; Van Sebille et al.,

2012).

Between 1.15 and 2.41 million metric tons of plastic were estimated to reach the oceans

yearly by rivers alone, steadily increasing the availability of plastic to marine species (Le-

breton et al., 2017). In addition to the numerous dangers for marine animals that get

entangled in large pieces of plastic and receive injuries or die, the tiny plastic particles pose

an even greater threat to marine species. Depending on their size, plastic is mistaken for

food by numerous marine species, leading to digestive tract blockages and injuries, followed

by increased morbidity and mortality (Alimba & Faggio, 2019). Filter-feeding species such

as mussels are one of the most affected marine species, consuming high amounts of plastic

by filtering polluted seawater (Setälä et al., 2016). However, the digestive tracts of many

other benthic, demersal, benthopelagic, or pelagic species were also found to contain high

MP amounts (Avio et al., 2020). MP, defined in a size range 1 - 5000 µm, is the most

frequently detected plastic size in the marine environment (Napper & Thompson, 2020;

Hidalgo-Ruz et al., 2012) and was already found to accumulate in the marine food web

(Avio et al., 2020; Nelms et al., 2018). Via seafood, MP also reaches the human diet, but

the effects on the human organism have not yet been fully researched (Yuan et al., 2022).

2.1.2. Toxicity

Besides the direct and indirect physical damages, MPs can also have toxic effects due to

the release of monomer or oligomer residues from incomplete polymerization reactions or

additives added during manufacture (Conti et al., 2021; Gewert et al., 2018; Sørensen et al.,

2021). For example, bisphenol A and phthalates are the most common additives used as

plasticizers to make synthetic plastic materials more malleable and flexible. However, they

are also known as ”Endocrine Disrupting Chemicals” (Conti et al., 2021).

Supported by the large surface-to-volume ratio in combination with the lipophilic poly-

mer nature, MP offers many attachment sides for surrounding environmental pollutants.

Persistent organic pollutants such as polychlorinated biphenyls (PCBs), polycyclic aro-

matic hydrocarbons (PAHs), dichlorodiphenyltrichloroethanes (DDTs), or hexachlorocy-
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clohexanes (HCHs) (Antunes et al., 2013; Frias et al., 2010; Ogata et al., 2009; Rios et al.,

2007) but also harmful metals (Brennecke et al., 2016; Graca et al., 2014) or pathogens

(Zettler et al., 2013) can accumulate at the polymer surface in higher concentration than

that of the surrounding seawater (Guo & Wang, 2019). Attached to the MP surface, these

harmful pollutants can be transported across the globe or into the digestive tract of feeding

organisms. Once in the digestive tract, pollutants can be leached with an enhanced toxic

effect due to the high pollutant concentrations adsorbed at the contaminated MP particles

(Yu et al., 2019). For PCB and PAH, an increased uptake by a factor of 1.3 to 2.4 was

determined, caused by the transfer via MP (Rochman et al., 2013). Due to the tendency

of biomagnification, these organic pollutants accumulate within the food chain with the

highest concentrations reaching the top predators, including humans (Yuan et al., 2022).

2.1.3. Sinking of MP

Due to the low weight of MPs and the lower density of the two most common polymer types

PE (0.92−0.97 g cm−3) and PP (0.90−0.91 g cm−3) compared to seawater (∼1.02 g cm−3),

MP is assumed to float at the ocean surface (Bergmann et al., 2015; Hidalgo-Ruz et al.,

2012). However, today only a few studies have indicated a discrepancy between the detected

amounts of MP at the ocean surface and the expected amounts according to the globally

increasing plastic production (Cózar et al., 2014; Woodall et al., 2014). Considerably lower

MP abundances were recovered at the sea surface. Instead, low-density MPs have been

detected in numerous field studies in the water column and deep-sea sediments in even

higher abundances than at the water surface (Choy et al., 2019; Zhou et al., 2021). This

phenomenon indicates that even light MP particles travel through the water column and

enter the deep sea.

The reason why lightweight MP particles begin to sink is not yet fully understood. Ini-

tial models have shown that weight increase due to biological processes such as biofouling or

aggregation is a major contributor to increased MP sinking rates (Kaiser et al., 2017; Kooi

et al., 2017). These processes can also be regressive due to grazing of the surface fouling,

leading to float-sink cycles of such MP items, which thus dwell in the water column over a

long time (Andrady, 2017). However, the time MP generally takes to reach the seabed and

the associated input rate is still unknown. In addition to the biofouling processes, the for-

mation of aggregates can vary strongly in their attached weight depending on the involved

organisms. Excellent candidates to facilitate aggregation are, e.g., diatoms (Passow, 2002),

which sink faster than cryptophyte caused by the biogenic silica content, heavier than the
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organic matter (Long et al., 2015). Besides these biological processes, physical processes

such as currents, waves, and winds, as well as the MP size, density, and shape, can play a

significant role in affecting the sinking velocity of MP (Kooi et al., 2017; Kowalski et al.,

2016). This wealth of possible influencing factors hinders predicting models about the re-

tention time of MP within the water column (Akdogan & Guven, 2019) and increases the

necessity for insightful field studies.

2.1.4. Degradation process

The degradation rate of MPs is important for a large number of research fields. For ex-

ample, it can significantly affect the concentration of adsorbed contaminants, the release

of additives, the sinking velocity through the water column or the horizontal transport

pathway, and generally, the residence time in the environment until the total degradation.

Caused by irregular MP surfaces and ongoing fragmentation (visualized in Fig. 2.1) to

smaller particles due to degradation, the surface-to-volume ratio further increases, offering

more attachment sides for pollutants, more leaching areas for additives, and a higher par-

ticle surface more prone to water movements (Alimba & Faggio, 2019; Jahnke et al., 2017;

Luo et al., 2020a). In addition to visible surface changes and fragmentation, changes also

occur at the molecular level. However, the research into these changes, especially regard-

ing the chemical degradation products, is still largely unexplored (Andrady, 2011; Gewert

et al., 2015, 2018; Song et al., 2017).

The mechanisms responsible for the degradation of MPs include, in particular, physi-

cal and chemical weathering processes, such as photo-oxidation, photo-thermal oxidation,

mechanical abrasion, or hydrolysis (Alimi et al., 2022). In addition, there is also evidence

of microorganisms capable of degrading plastics, resulting in mineralization of the polymer

structure to CO2, N2, CH4, H2O, or H2S (Du et al., 2021; Paço et al., 2017; Syranidou

et al., 2017). The most rapid degradation is expected to occur under conditions like those

found on beaches due to the combination of high ultraviolet (UV) radiation, mechanical

abrasion by waves and sand, and high temperature variations at most locations (Song et al.,

2017). In contrast, due to the lack of UV radiation, stable and low temperatures, no wave

actions, and slow biological processes, sunken MP is expected to last in the deep sea for

hundreds to thousands of years or even longer (Barnes et al., 2009).

Besides environmental conditions, the MP composition, shape, and size also influence

the degradation rate (Alimi et al., 2022; Jahnke et al., 2017; Min et al., 2020; Ter Halle

et al., 2016). Depending on the polymer type and structure of the polymer backbone, the
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polymer may be more or less resistant to external influences, such as PE compared to

PP. The additional tertiary carbon in the PP backbone is more prone to abiotic attack,

leading to a faster chain scissoring of PP (Gewert et al., 2015). Added additives such as

antioxidants, UV stabilizers, or heat stabilizers influence the MP residence time likewise

(Hahladakis et al., 2018). Some possible influencing factors, such as the water salinity, have

not yet been sufficiently investigated (Alimi et al., 2022; Sun et al., 2020).

Figure 2.1. Visualization of the MP fragmentation caused by weathering. With the break out of
the uppermost polymer layer, an unweathered layer is exposed.

Due to the high importance of knowing the degradation rate of MPs in the environment,

several laboratory and outdoor experiments were conducted in which potential changes in

the surface morphology and chemical composition were monitored (Julienne et al., 2019;

Liu et al., 2019; Luo et al., 2020a; Song et al., 2017; Ter Halle et al., 2016; Zvekic et al.,

2022). However, a major challenge in determining the degradation rate is the high number

of influencing factors and the long duration of MPs in the environment. To accelerate the

experiment time, unnatural intense UV radiation was commonly used, generating high

temperatures (Alimi et al., 2022; Andrade et al., 2019; Müller et al., 2018). However,

this intense radiation can lead to distortions of the weathering pathway and cannot be

directly extrapolated for MPs weathered under environmental conditions (Alimi et al.,

2022; Andrade et al., 2019; Zvekic et al., 2022).

Given the enormous amounts of plastics already accumulating in the oceans, it is

mandatory to be able to make better statements about the transport routes, the actual

residence time of MP in the environment, their morphological and chemical changes, as

well as their weathering products, to understand the damage already done and the dangers

the human beings and the environment will be exposed to in the future.
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2.2. Detection Methods for MP in Environmental Samples

In order to determine the amounts of MPs in the marine environment, a wide variety of

sample types are available for sampling and analysis. In general, a distinction is made pri-

marily between sediment and water samples. In addition, biota samples are also examined

to determine the amounts of MPs ingested by various marine animals. Depending on the

sample type, the detection methods must be adjusted. However, due to the absence of a

standardized method, a large number of different detection methods exist even for the same

sample types (Way et al., 2022) (visualized in Supplementary Materials Fig. S3).

In this large research field, this work focuses on the procedures for marine sediment

and water samples and does not include biota samples. As MP pollution is a huge modern

problem, numerous studies have already dealt with this topic, including marine samples.

In order to obtain an accurate description, despite the diversity of studies and their dif-

ferent methods, all studies focusing on detecting MPs in marine sediments and waters

were reviewed. Studies were only selected when results, sampling sites, and methods were

described accurately and when results were presented per volume or weight unit. All re-

maining selected references used for the overview (n = 192) in this section are listed in the

Supplementary Materials (Table S1 and S2).

2.2.1. Sampling Method

Marine sediment samples can be further divided into offshore and onshore samples, which

require different sampling procedures. Examples of applied sampling procedures and related

separation and analysis methods are given in Table 2.2. The most commonly used sampling

procedure, described in 44% out of 67 MP studies focused on offshore sediment sampling

(Supplementary Materials Table S2), is the coring method, with the Box corer as the most

frequently used coring system followed by the Gravity corer. With 34%, the grab sampling

method is the second most frequently applied sampling procedure in which the Van Veen

grab sampler was used in particular. Further sampling methods include sediment collection

by divers (15%) or dredges (4%). For onshore sampling at beaches, mangroves, or other

coastal areas, stainless steel shovels, spatulas, spoons, or a direct scoop by glass jars or

cups were applied. The area to collect the samples was chosen systematically by specific

distances between sampling locations and the tide mark. For every sample, a fixed area of

mostly 0.25 m2 (e.g., Dekiff et al. (2014); Baztan et al. (2014); Rios-Mendoza et al. (2021);

Sathish et al. (2020)) was sampled, varying in size and sampling depth between studies.
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Marine water samples were collected with nets in most studies (56% out of 82 refer-

ences). Surface water sampling was conducted by nets for 60%, especially the Manta and

Neuston nets but also pumping systems (13%) or different containers were used (Table 2.3).

The water column was most frequently sampled via a pumping system (50%) or CTD (con-

ductivity, temperature, depth) device connected to a rosette with Niskin bottles. However,

some studies also used the net sampling method (19%).

There is another option to collect marine MP samples from the water column, which

specializes in settling particles descending through the water column. This device is called

a ”sediment trap” but is rarely used in MP research. Sediment traps can collect sinking

particles over a selected period, ranging between a few days to several months (Waniek

et al., 2000), enabling time-resolved monitoring of MPs. Only two studies have considered

MPs in marine sediment trap samples. One is Enders et al. (2019) in which sediment traps

were deployed in the Baltic Sea in the Arkona and Gotland basin, and the other was

mounted in the Southeast Gulf of California in Mexico (Rios-Mendoza et al., 2021). The

sediment trap used by Enders et al. (2019) is described very differently in its construction

compared to the device used by Rios-Mendoza et al. (2021). While the first mentioned

device was a round and funnel-shaped construction, covering an area of 0.50 m2, the second

sediment trap consists of PVC tubes with 1 m length and 10 cm diameter (∼0.01 m2).

2.2.2. Separation Methods

The particulate matrix of marine samples is very complex due to its diverse composition.

Large matrix amounts interfere with spectroscopic analysis methods, so numerous methods

have been developed to reduce the matrix before instrumental analysis. Besides sediments,

samples can contain a huge amount of biogenic materials, which depending on regional

native species, can differ in their composition, leading to high amounts of cellulose, proteins,

chitin, biogenic silica, calcium carbonate, or other contents. A density separation step is

commonly used to remove sediments, while a digestion step is performed to dissolve biogenic

materials. As no standardized MP extraction method exists, the order in which the two

steps are performed can vary, as well as the used agents and filtration procedures.

For the density separation, salt is dissolved in water to achieve a high-density solution.

This solution is then used to separate the heavy sediments in the samples from the buoyant

MP particles by decanting the supernatant. The most frequently used type of a high-

density solution is the saturated sodium chloride (NaCl) solution which is applied in 43%

out of 109 considered field studies detecting MP in sediment samples. The second most
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Table 2.1. General data of the six most produced polymer types. Density and application data
were adapted from Coyle et al. (2020), PlasticsEurope (2021) and Hidalgo-Ruz et al. (2012). The
data on global plastic production are from 2015 (Geyer et al., 2017).

type
density
(g cm−3)

structural formula
global
production

application

PE 0.92–0.97 116 MT

bags, toys, bottles, pipes,
trays, containers, packag-
ing, microbeads in personal
care products, etc.

PP 0.90–0.91 68 MT
ropes, bottles, pipes, caps,
packaging, microbeads in
personal care products, etc.

PS 1.04–1.10 25 MT

insulating boxes, building
insulation, floats, cups,
packaging, medical devices,
microbeads in personal care
products, etc.

PVC 1.16–1.58 38 MT
pipes, containers, window
frames, flooring, shower cur-
tains, cable insulation, etc.

PET 1.37–1.45 33 MT
bottles, strapping, packag-
ing, thermal insulation, mi-
crobeads, etc.

PUR 1.2 27 MT
building insulation, pil-
lows, mattresses, insulating
foams, etc.

commonly used salt is sodium iodide (NaI) (20%), which can reach a significantly higher

density (1.6 g cm−3) compared to the saturated NaCl solution (1.2 g cm−3) resulting in a

broader range of considerable MP types (Table 2.1, Qiu et al. (2016)). Further used salts are

zinc chloride (ZnCl2) (e.g., Martin et al. (2020); Uddin et al. (2021)), sodiumpolytungstate

(H2Na6O40W12) (e.g., Enders et al. (2019)), calcium chloride (CaCl2) (e.g., Li et al. (2020);

Stolte et al. (2015)), potassium formate (CHKO2) (e.g., Xue et al. (2020)), potassium

iodide (KI) (Phuong et al. (2018); Aslam et al. (2019)) and very rarely used salts such

as sodium tungstate dihydrate (Kanhai et al. (2019); Pagter et al. (2018)), magnesium

chloride MgCl2(Cutroneo et al. (2022)), or cesium chloride (CsCl) (Dodson et al. (2020)).
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In some cases, non-saline substances such as canola oil were used for separation, in which

MP accumulates due to its hydrophobic properties (Crichton et al., 2017; Ross et al., 2021;

Courtene-Jones et al., 2020).

If a digestion step was needed (applied in 52% out of 192 field studies listed in Table

S1 and S2), usually hydrogen peroxide (H2O2) was used for sediment samples (60%), as

well as for water samples (51%). The Fenton reagent is also a frequently used digestion

agent (18%), in which H2O2 in combination with Iron II (Fe(II)) is added to the sample to

accelerate the oxidation reaction (Bergmann et al., 2017). Additionally, enzymes were used

frequently to remove specific sample matrix ingredients, such as proteinase K or protease to

remove proteins, lipase for lipids, or cellulase for cellulose (e.g., Rist et al. (2020); Roscher

et al. (2021); McEachern et al. (2019)). To further increase the digestion efficiency, H2O2

is used in some studies as well (Lorenz et al., 2019; Tekman et al., 2020). Bases such as

potassium hydroxide (KOH) and sodium hydroxide (NaOH), acids like nitric acid (HNO3),

hydrochloric acid (HCl), sulfuric acid, or sodium hypochlorite solution and also sodium

dodecyl sulfate (SDS) were also used to digest biogenic matrix fractions (Table S1 and S2,

as well as Enders et al. (2017); Imhof et al. (2016)).

2.2.3. Instrumental Analysis

The analysis of MPs can generally be divided into three groups, visual, spectroscopic, and

thermo-analytical identification. The visual identification is based on particle classifica-

tion into typical morphological characteristics of MP particles. Based on typical colors and

shapes of MP, it was assumed that the particles under investigation were of synthetic origin.

Some typical shapes are fibers, lines, filaments, spheres, films, sheets, pellets, fragments,

and foamed MPs (Shim et al., 2018). This identification method is the cheapest and finds

much application in numerous studies (21% out of 192 references). For a higher resolution,

scanning electron microscopy (SEM) is applied to support the visual identification (e.g.,

Retama et al. (2016)). In addition to the visual identification method, Nile Red can be

used to assist. The Nile Red is a fluorescing dye adhering to common MP species, making

microscopic counting easier and reducing the subjectivity of human sorting (Erni-Cassola

et al., 2017). However, the use of Nile Red is limited by the fact that it was originally

utilized as a stain for lipids in biological cells, which consequently requires a high degree

of sample purity before staining MPs (Prata et al., 2021). Another disadvantage of visual

identification methods is the need for a reliable specification of polymer types, resulting

in the failure to distinguish them from natural residues, leading to large detection errors
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(Huppertsberg & Knepper, 2018; Prata et al., 2021; Lenz et al., 2015; Hidalgo-Ruz et al.,

2012). Only 68% of visually identified MPs were spectroscopically confirmed for their syn-

thetic origin with increasing uncertainties with decreasing MP particle sizes (Lenz et al.,

2015).

With spectroscopic identification methods, chemical properties of single particles can be

detected by interactions of sample molecules or atoms with specific radiation enabling the

differentiation between polymer types and natural particles. The Fourier-transform infrared

(FTIR) spectroscopy, used in 68% out of 192 MP studies, is the most commonly used in-

strumentation in MP research. Micro-FTIR analysis instruments equipped with focal plane

array (FPA) detectors in transmission mode allows recording an entire filter containing MP

particles with several thousand spectra recorded simultaneously up to a smaller particle

size of 10 µm (Huppertsberg & Knepper, 2018). However, this equipment requires large

financial support, unattainable for smaller scientific institutions, which consequently tend

to use less expensive equipment.

A common method for analyzing MP is to visually identify MP items based on char-

acteristic features with the subsequent measurement of some visually identified MPs with

FTIR in attenuated total reflectance (ATR) mode (e.g., Lin et al. (2020); Li et al. (2020);

Lin et al. (2021); Patterson et al. (2019); Mistri et al. (2020); Falahudin et al. (2020)).

However, this method is subject to many inaccuracies. First, for FTIR measurements in

ATR mode, contact between the microplastic items with the instrument crystal is nec-

essary, which requires a particle size of a minimum of 500 µm, rejecting the analysis of

smaller items (Huppertsberg & Knepper, 2018). Furthermore, visual sorting is subject to

many errors (Lenz et al., 2015). The second most commonly used spectroscopic identi-

fication method is Raman spectroscopy (12% out of 192 MP studies). With Raman, a

spectroscopic resolution of 1 µm can be achieved. Furthermore, due to the analysis of

backscattered light, no background interferences are expected in contrast to the FTIR

analysis (Huppertsberg & Knepper, 2018). However, this method is strongly limited by the

high cost and time required to use the device. Furthermore, dyes can impede the detection

of the polymer types by spectral overlay, which is also problematic for FTIR in transmission

mode (Huppertsberg & Knepper, 2018).

Examples of thermo-analytical methods used to identify MPs are pyrolysis gas chromato-

graphy-mass spectrometry (pyr-GC/MS), thermogravimetry coupled to differential scan-

ning calorimetry (TGA-DSC), and thermal extraction desorption gas chromatography-

mass spectrometry (TED-GC/MS) (Huppertsberg & Knepper, 2018). Out of these three
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methods, the pyr-GC/MS is the most frequently applied instrumentation in MP surveys,

becoming more popular recently (Fischer & Scholz-Böttcher, 2017). This method is based

on the combustion of the sample resulting in many individual fragmentation substances

characteristic of specific polymer types. These substances are trapped in the gas chromatog-

raphy column and measured with mass spectrometry. Limitations for this application are

the small amounts of sample masses and particle sizes that must be transferred into thermal

desorption tubes (1.5 mm) and the need for highly effective sample cleanup to avoid mis-

interpretations (Fischer & Scholz-Böttcher, 2017; Strungaru et al., 2019). Without sample

cleanup, natural fractions in the sample, such as chitin, can release e.g. styrene within the

measuring process as a decomposition product. This is the same decomposition product as

for polystyrene and can therefore lead to an overestimation of this polymer type (Fischer &

Scholz-Böttcher, 2017). Another disadvantage is the lack of individual particle information

about the MP number, size, and shape. Instead, the quantification of one polymer type

can be evaluated by their specific peak areas as a whole, which on the other side, also

includes nanoplastic or small MP items not able to consider with spectroscopic methods.

Furthermore, this method enables organic plastic additives to be measured simultaneously

with the polymers themselves with less time expenditure (Dekiff et al., 2014; Fries et al.,

2013; Strungaru et al., 2019; Fischer & Scholz-Böttcher, 2017).
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3 Materials and Methods

3. Materials and Methods

3.1. Method development and validation

Because there is still no standard method for extracting MPs, a proper method for ana-

lyzing environmental samples must be chosen. The method chosen has to be as accurate

as possible, with the lowest risks of losses and contamination while keeping the effort low.

For the first tries to analyze MP in sediment trap samples, an easy-to-handle method was

applied, which was also used in numerous previous studies (Blašković et al., 2016; Fastelli

et al., 2016; Cannas et al., 2017; Ronda et al., 2019; Romeo et al., 2015). This method

includes a density separation step with a saturated NaCl solution and a visual inspection

using a microscope and was previously utilized for microfibers in sediment trap samples

by Reineccius et al. (2020). However, the challenge in using this method for sediment trap

samples occurred in the high amount of biogenic materials contained in the samples, espe-

cially in sampling periods of high primary production rates. Distinguishing between natural

and synthetic particles was difficult or impossible due to material overlaying. Furthermore,

polymers with higher densities compared to the NaCl solution, such as PET or PVC, can-

not be considered. Sediment trap samples with highly complex matrices but limited sample

masses are difficult to analyze with the most commonly applied methods leading to the

need for a fitted extraction process [Publication 1: Reineccius et al. (2021)].

To remove biogenic materials within the scope of the present work, digestion agents

were introduced in the first step of the MP extraction protocol. As some strong acids and

alkaline agents were verified to affect MPs in their shape or weight, or even dissolve them

entirely (Hurley et al., 2018; Karami et al., 2017; Olsen et al., 2020), a less aggressive

wet peroxide digestion step (Prata et al., 2019) was chosen to digest biogenic fractions

with some enhancements. To examine the effectiveness of digestion agents, a dried and

chopped algae mix was used. For potential influences on MP particles, powder of nine

different polymer types (PE, PP, PET, PS, PVC, polyamide (PA), polymethyl methacry-

late (PMMA), polyoxymethylene (POM), acrylonitrile butadiene styrene (ABS)) were used

to monitor weight, size, and color changes after the respective digestion treatment. After

testing digestion solutions such as the Fenton reagent, KOH, combinations with ethanol,

SDS, acetic acid, ammonia, detergent solution, or the H2O2 activation via UV radiation

at various temperatures and exposure times, the application of H2O2 with acetic acid has

proven to be the best combination of effectiveness and handling with no significant effects
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3 Materials and Methods

on MP particles Reineccius et al. (2021).

Despite the high efficiency of H2O2 in combination with acetic acid, biogenic residues

were still left, prone to be confused with MPs in visual analysis. To further enhance the

sample cleanup and be able to remove sediments or lithogenic fractions, two different aper-

tures were compared (Fig. 3.1). In one application, a commonly used density separation

step was introduced using sodium tungstate dihydrate (Na2WO4 · 2 H2O), with a final den-

sity of 1.6 g cm−3 in the saturated state. The next application was a syringe cascade coated

with lubricant oil at the inner syringe walls. This coating constitutes a lipophilic layer that

retains lipophilic MP polymers and lets non-lipophilic matrix residues pass (Reineccius

et al., 2021). The density separation was conducted in a custom-made separation device

consisting of an Erlenmeyer flask connected to a bearing valve with a small glass tube ex-

tension at the top (Fig. 3.1b). For recovery rates, MP particles (n = 100) of the respective

polymer types (PE, PP, PET, PS, PVC, PA) were filled into the flask. Then, the valve

with glass tube extension was screwed onto the flask and filled with the density solution

until the half height of the glass tube. To avoid contamination, the upper tube end was

covered with aluminum foil. After stirring this solution for 1 h, the mixture was left to rest

for 23 h until the valve was closed. After the resting time, the supernatant containing float-

ing MP particles was filtered on glass microfiber (GF) filters, and the recovered MPs were

counted under the microscope. This procedure was repeated three times for each polymer

type (Reineccius et al., 2021).

To determine recovery rates of the syringe cascade application, 100 MP particles (PE,

PP, PET, PS, PVC, PA) in 20 mL ultra-pure water were filled into the cascade consisting of

three vertically stacked syringes. The passed suspension was collected in a glass beaker and

filled into the syringe cascade again. This procedure was repeated three times in total and

conducted in triplicates for each polymer type, respectively. The loaded syringes were then

rinsed with ultra-pure water and infused with a warm detergent solution (50 ◦C) to recover

the MP particles. The received detergent solution was then filtered with GF filters to count

the recovered MPs under the microscope as described in Reineccius et al. (2021).

An average recovery rate of 98.1% was obtained with the density separation technique.

The lowest rate was achieved for PVC due to the high density of PVC (1.56 g cm−3),

which caused some of the observed particles to accumulate at the bottom. However, the

solution with a density of 1.60 g cm−3 should include this type of PVC, suggesting density

differences within a polymer type. Using the syringe cascade, a mean recovery rate of 98.0%

was achieved (Reineccius et al., 2021). The lowest rates were found for less lipophilic

17



3 Materials and Methods

polymer types such as PA (88.7%) but very high and stable (low standard deviation) rates

for PE, PP, and PS. Besides that, this application is easier to handle than the density

separation, it can be performed quickly, and large quantities of a salt solution are not

required. Due to these advantages, separation using the syringe cascade combined with the

previous digestion step using H2O2 and acetic acid, was chosen for further application for

environmental samples.

Figure 3.1. Entire extraction procedure of both possible MP separation methods with the syringes
cascade (a) and the density separation method (b). Both methods start with a freeze-dried sample
followed by the first clean-up step with the digestion. This figure was adopted and edited from
Reineccius et al. (2021).

3.2. Field samples

3.2.1. Sampling site and sample collection

The focus of this study is based on sediment trap samples collected at the mooring station

Kiel 276 [Publication 2: Reineccius & Waniek (2022)]. This station is located at 33◦N,

22◦W within the deep Madeira Basin of 5300 m depth halfway between the Azores and the
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3 Materials and Methods

Figure 3.2. Location of the mooring station Kiel 276 in the Subtropical Northeast Atlantic (33◦N,
22◦W) and sampling stations in the northern South China Sea (SCS) for MP analysis. In the SCS
map, the filled black triangles symbolize the sediment sampling stations, and the red triangles
represent the net sampling stations. The prevailing major winds and currents are sketched in gray
and blue, respectively. For the SCS map, surface currents are given, which were adapted from Deich
et al. (2021) for this area: Eastern and western Guangdong Coastal Current (EGCC, WGCC), SCS
Warm Current (SCSWC) and SCS Branch of Kuroshio (SCSBK). The red areas of the upper
overview map present the zoomed area for the Atlantic and SCS maps.

Canary Islands. The sampling site is influenced by current velocities between 20 - 25 cm s−1

in the thermocline (270 m depth) and the Mediterranean outflow (1000 m depth) and lower

velocities of 5 cm s−1 in the deeper water column (1000 – 2600 m depth). The sediment

trap considered for MP analysis was deployed at 2000 m depth. This results in a catchment

area of about 100 km2, which is influenced by interannual and seasonal propagation of

the Azores Front (Fründt & Waniek, 2012; Waniek et al., 2004, 2005). Depending on the

Azores Front position, the mixed layer depth and the related primary production in this

area are also affected. The primary production rate combined with the lithogenic input via
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3 Materials and Methods

atmospheric transport are the main influencing processes of the total particle flux in 2000 m

depth (Waniek et al., 2005; Pullwer & Waniek, 2020). The largest representative of the total

particle flux is the biogenic content, containing up to 80% calcium carbonate in this part

of the subtropical Northeast Atlantic (Waniek et al., 2005). This proportion is strongly

influenced by calcium carbonate forming planktonic species such as coccolithophorids and

foraminifera (Waniek et al., 2005). The lithogenic input is coupled with Saharan dust

outbreaks transporting large amounts of dust into the North Atlantic, which sink to the

deep sea supported by biogenic ballast effects (Brust & Waniek, 2010; Pullwer & Waniek,

2020).

For the MP detection in this work, the sediment trap sampling series 23 - 29 were

analyzed, including 110 samples in total, which were collected between April 2003 and

June 2015 (Reineccius & Waniek, 2022). The deployed sediment traps used for the

sample collection are fiberglass reinforced plastic funnels (slope of 34◦, opening of 0.5 m2),

sealed with epoxide resin and equipped with a revolver holding 21 PP sample bottles (type

S/MT 234, K.U.M., Germany). The rotating revolver enables specific sampling in intervals,

which range between 11 and 62 days for the analyzed samples. The shorter intervals were

applied during high particle flux rates after high primary production in the upper water

column. The funnel is covered with a hexagonal lattice grid baffle made of resin-sealed

special paper to avoid losses of sample material by movements of the surrounding water.

Before deployment, the sediment trap and sample bottles are cleaned. These clean bottles

holding a volume of 400 cm3 are filled with a mixture of in-situ seawater and sodium

azide (4:1) (NaN3 5% stock solution in high purity water) to preserve sinking materials

immediately. To fit the salt content in the sample bottles to the surrounding seawater

(38 g L−1), NaCl was added.

After recovery of the sediment traps two years after deployment, the sample bottles

were closed with caps immediately and stored in the dark at 4 - 6 ◦C until laboratory

analysis. In the laboratory, large zooplankton ”swimmers” were removed manually, and

the samples were split into four equal aliquots. One of these four splits was freeze-dried,

and 100 mg (if available) were weighed into a glass beaker for MP analysis (Reineccius

& Waniek, 2022).

In addition to the sediment trap samples, eight sediment samples and two plankton

net samples were selected from the South China Sea (SCS) to investigate the applicability

of this method for environmental samples (Reineccius et al., 2021). The samples were

collected from the Pearl River estuary to the deep SCS perpendicular to the coast of China
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during the Sonne 269 cruise (SO269) (Fig. 3.2). This sampling location was chosen due to

the proximity to the Pearl River, characterized by its large water volume transport into

the SCS and the high population density around the river delta. The Pearl River passes

large Chinese cities and is consequently expected to transport high amounts of MP into the

SCS. The sediment samples were gathered by a Multi-core vessel with Plexiglas (PMMA)

core pipes, with 60 cm height and 10 cm inner diameter. About 10 g from the uppermost

3 cm of each core was used for the MP analysis, which was freeze-dried before extraction.

The plankton net samples were taken by a Multi-closing net (100 µm mesh size, 50 ×
50 cm square opening) from 50 m water depth to the surface at station SCS 29 and with an

Apstein plankton net (500 µm mesh size, ring diameter of 50 cm) from 100 m water depth to

the surface at station SCS 36. A half split was taken from both net samples to analyze MPs,

which were also freeze-dried before further treatment procedures. The detailed procedure

is described in Reineccius et al. (2021).

3.2.2. MP extraction

To remove biogenic material in the sample, the validated method described above (section

3.1, (Reineccius et al., 2021)) was applied. In brief, 20 mL H2O2 (30% w/w, for synthesis,

Merck KGaA, Germany) were added to the sample and left to react for 5 h at 50 ◦C. After

this time, 20 mL acetic acid (24% w/w, VWR International, Germany) was added and left

to react another 2 h at room temperature to remove biogenic calcium carbonate. After the

reaction time, the samples were filled into the coated syringe cascade, holding the lipophilic

MP particles and letting non-lipophilic particles pass through the cascade. Each sample was

passed through the cascade three times and rinsed with ultra-pure water subsequently to

remove non-lipophilic residues. A warm detergent solution (50 ◦C) was used to detach the

MPs. The obtained suspension containing MPs was finally filtered onto an AnodiscTM filter

(WhatmanTM, 25 mm diameter, 0.2 µm nominal pore size, CatNo. 6809–6022) (Reineccius

& Waniek, 2022).

After filtration, the filters were directly transferred to a glass slide and covered with a

coverslip to avoid contamination. Additional contamination precautions have been taken

by the previous filtration of all used solutions over glass fiber filters (WhatmanTM, 47 mm

diameter, 0.7 µm nominal pore size, CatNo. 1825–047). Besides that, the samples were cov-

ered with aluminum foil between all steps. Every step in which the sample came into contact

with the air was implemented under the fume cupboard (average airborne contamination <

1 fiber within 0.75 – 4.75 h (Wesch et al., 2017)). Furthermore, a white cotton lab coat was
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worn, and the laboratory was just used by the conducting person during the MP extraction

steps. In addition, the samples were handled carefully to reduce contamination, and blank

samples were prepared. One of the 21 sample bottles mounted at the trap was not exposed

to the marine environment and was not collecting sinking material. These blank samples

reflect the whole sample processing and were called ”sampling blanks”. Sampling blanks

were available for the sampling series 24, 25, 26, and 29 and were treated the same way

as the samples containing sinking material. Additionally, one blank sample was prepared

for each sample set (5-10 samples), which were applied for SCS net and sediment samples

as well as sediment trap samples. These blanks were prepared within the same day as the

sample treatment in the lab to trace contamination sources back. For these, an empty

beaker was filled with the digestion solution instead of a beaker filled with sample material

in the first treatment step. After this step, the whole treatment and analysis process was

conducted the same way as for the samples. Therefore, these blank samples were called

”method blanks”. The entire sample treatment and handling are described in Reineccius

& Waniek (2022) in detail.

3.2.3. Analysis

Raman spectroscopy (LabRAM HR 800 Horiba Jobin YVON) with integrated NGS Lab-

Spec software was applied to identify MP on the prepared filters (Reineccius & Waniek,

2022). This instrument is equipped with a microscope (Olympus BX41 microscope with

variable lenses) and a camera to visualize and digitally display small particles. In the case of

a few visible MP particles on the filter, the entire filter was manually scanned for potential

MPs. When particle numbers were too high, a quarter or 100 random window positions

(about 15%) of the filter were scanned and extrapolated for the entire filter. For search-

ing for suspect MP particles, a magnification of 10 × (window size 0.7 × 0.9 mm) with

transmitted light was used. For measurements, 50 × magnification and a red laser were

applied (633 nm, 17 mW, air-cooled HeNe laser) at 10 s integration time and ten accumula-

tion scans in the wavenumber range 50 – 3800 cm−1. The measured spectra were evaluated

with the KnowItAll Information System 2020 software (WILEY) and compared against

the included spectral library to identify the polymer type. Those spectra with a matching

degree < 80% were rejected as a synthetic polymer. For particle size measurements, every

positively identified MP particle was photographed. To additionally determine the particle

volumes and masses, the method described in Reineccius et al. (2021) (Publication 1)

and Reineccius & Waniek (2022) (Publication 2) was applied.
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4. Results and Discussion

4.1. MP fluxes and properties

In each sediment trap sample collected in 2000 m depth, MP particles were found in quan-

tities between 35 and 31,080 per sample. On the blank filters, particle numbers between 0

and 7 (average of 1.8 items) were identified as MPs. This results in a blank-corrected MP

flux of 1.13 – 3146.81 items day−1 m−2, sinking into the 2000 m deep Subtropical Northeast

Atlantic. More detailed results are given in Reineccius & Waniek (2022). All calcu-

lated MP (mass) fluxes, determined between April 2003 and June 2015, are illustrated in

Fig. 4.1a and b, together with the calcium (Fig. 4.1c) and aluminum (Fig. 4.1d) fluxes,

representing biogenic and lithogenic fractions, respectively.

Figure 4.1. MP fluxes (a), MP mass fluxes (b), calcium carbonate fluxes (c), and aluminum fluxes
(d) for all analyzed samples (n = 110). Dashed black lines in figure b represent flux ranges resulting
from the mass calculation with a range of potential polymer densities. The bar width indicates the
sampling interval for each sample, with gaps that illustrate mooring failure or no deployment. The
vertical dashed gray lines mirror the intervals for the respective sampling series. Note the different
scales of the y-axis between the figures (adopted from Reineccius & Waniek (2022)).
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4 Results and Discussion

The highest fluxes were recorded during May and June 2003 (series 23), between March

and June 2004 (series 24), and from September 2010 until April 2011 (series 27) (Fig. 4.1a

and b). Depending on the MP particle sizes, the calculated MP mass fluxes can highly

differ compared to the MP fluxes. The highest MP mass flux was detected during October

2004 (series 24), suggesting the combination of large MP items and high quantities. In

total, however, the MP sizes within the sample series were not differing greatly (Fig. 4.2).

The mean size of all detected MP particles in all samples was 88.44 ± 113.46 µm, with

the most abundant particle sizes below 100 µm. Comparing the various polymer types, no

significant differences in particle sizes were recognized as well.

Figure 4.2. Mean sizes of detected MP particles in sediment trap samples for all samples (a) and
the size distribution for each sampling series, as well as for the sum of all detected MPs (b) (adopted
and edited from Reineccius & Waniek (2022)). The gray areas represent the standard deviation
range (±s.d.) and the dashed black line in (b) marks the mean from the sampling series, calculated
for the respective particle number (n). The dashed gray lines in (a) separate the sampling series.

The two most frequently detected polymer types were PE and PVC (Reineccius &

Waniek, 2022). PE accounts for 68.3% of the total MP flux and 73.4% of the MP mass

flux. This high occurrence fits well with global production, with PE as the most produced

polymer type worldwide (Andrady, 2011; Geyer et al., 2017). The fraction of PVC was

29.7% and 22.0% in the MP flux and MP mass flux, respectively. The remaining frac-

tions were PP, PS, PMMA, and PET. The most rarely detected polymer types were PA,

polytetrafluoroethylene (Teflon), and a polymer mixture of PE and PP.
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The first high occurrence of MP within the years 2004 and 2005 (Fig. 4.1) is mainly

attributed to PE fluxes. The second high MP occurrence in 2010 - 2011 contains high

amounts of PVC, indicating a high variability of polymer types between the years.

4.2. Correlations and transport pathways

Between the individual polymer (mass) fluxes, no correlation was found for the four most

abundant polymers (PE, PVC, PP, PS). However, correlations between fluxes of PVC and

PA, PVC and PMMA, as well as PA and PMMA were found (Reineccius & Waniek,

2022). Possibly, this is connected to similar transport pathways for polymer types lighter

than seawater (PE, PP) and those heavier than seawater (PVC, PS, PA, PET, PMMA).

PS were excluded for this hypothesis, as it is very frequently produced in foam shapes.

Consequently, it can be lighter as well as heavier than seawater. However, correlations

were also not found between PE and PP with densities both lighter than seawater (0.92 –

0.97 and 0.90 – 0.91 g cm−3, respectively) (Tab. 2.1).

Another reason for these different occurrences can be attributed to various source re-

gions combined with different transport pathways. In more northern regions of the Atlantic

Ocean towards the Arctic Ocean, PET or PA were the most reported polymer types (Tek-

man et al., 2020; Courtene-Jones et al., 2020, 2017). In more southern regions of the

Atlantic, PE was the main contributor of the entire MP content (Enders et al., 2015;

Pabortsava & Lampitt, 2020; Law et al., 2010). Combined with the fluctuating current ve-

locities and directions at the investigated mooring station Kiel 276 (Frãzao et al., 2021), the

different polymer types can be transported and mixed from varying sites. Furthermore, the

transport pathway can be an important contributor to the MP particle composition, which

can occur via winds or currents at this site. Comparing the PE fluxes with the lithogenic

flux, a strong correlation was observed (r = 0.603, p < 0.05) (Reineccius & Waniek,

2022), indicating a similar transport pathway. The lithogenic flux at the mooring station

Kiel 276 mainly contains dust originating from North African sources and contains a high

amount of aluminum. Mobilized by strong winds, desert or city dust was transported into

higher air layers reaching the Saharan air layer. This air layer can transport large amounts

of dust over long distances until the western Atlantic Ocean (Brust & Waniek, 2010). Via

the northeast trade winds blowing from the north of Africa with higher population densities

to the southwestern part with lower inhabitants, the city dust proportion can increase in

the transported dust. The MP content in city dust can be high, as investigated by previous

studies (Allen et al., 2019; Truong et al., 2021). Especially the PE content has been shown
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to be high in the dust even at remote places (Parolini et al., 2021). Combined with the

correlation, which was found between PE and the lithogenic fraction (mainly Al), sup-

ported by correlations of PE with further typical lithogenic elements such as Fe, Mg, and

Ti (Table 4.1), this strongly suggests an atmospheric transport pathway of PE originating

from land-based sources (Reineccius & Waniek, 2022).

Table 4.1. Correlation coefficients (r ) for PE and PVC with element fluxes adopted from previous
works (Pullwer & Waniek, 2020). |r| = 0.10 are defined as a weak correlation, |r| = 0.30 moderate
and |r| > 0.50 strong. Correlation coefficients ≥ 0.5 with statistical significance (p < 0.05) are given
in bold (Pearson correlation test, n = 219, α = 0.05).

Ca Al Fe Mg Ti S As Zr Sb PE PVC

Ca 0.742 0.689 0.751 0.670 0.719 0.448 0.712 0.212 0.371 0.020
Al 0.977 0.994 0.984 0.525 0.491 0.990 0.246 0.603 -0.009
Fe 0.961 0.961 0.562 0.595 0.976 0.378 0.577 0.061
Mg 0.980 0.492 0.440 0.980 0.198 0.618 -0.053
Ti 0.403 0.380 0.986 0.143 0.590 -0.088
S 0.829 0.519 0.663 0.138 0.505
As 0.482 0.930 0.188 0.511
Zr 0.237 0.570 -0.009
Sb 0.063 0.534
PE -0.102
PVC

For PVC, no correlations with lithogenic elements were observed. Instead, strong corre-

lations were recognized between PVC and S, As, as well as Sb (Table 4.1). These fluxes are

potentially attributed to PVC additives or substances used in the manufacturing processes

of PVC, such as sulfur (S). Antimony (Sb) is known as a commonly used additive of PVC,

as well as arsenic (As) which is used as a bio-stabilizer (BMU, 2020).

4.3. Source regions

By investigating the composition of the lithogenic content in sediment trap samples carried

out in previous studies (e.g., Brust & Waniek (2010); Pullwer & Waniek (2020)), the source

region of this lithogenic material can be traced back. This procedure was also applied for the

sediment trap samples selected for microplastic analysis (Reineccius & Waniek, 2022).

As the study site Kiel 276 is influenced by recurrent Sahara dust outbreaks, an African

origin can be assumed for the major lithogenic fraction. Therefore, the mineral composition

of the lithogenic flux material was compared to the characteristic regional compositions of

African soils. For this, clay minerals such as illite, kaolinite, smectite, palygorskite, and
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chlorite are commonly used (Brust & Waniek, 2010).

In sample series 23 and 24, the highest PE fluxes were detected, making the lithogenic

origin for these series the most interesting (Reineccius & Waniek, 2022). In series 23,

the illite and kaolinite fraction (I/K) varied greatly (between 0.5 and >2 for some sam-

ples), combined with large amounts of palygorskite contained in the samples. Additionally,

chlorite is present, suggesting source regions in Morocco and the Atlas Mountains (Brust

& Waniek, 2010; Bout-Roumazeilles et al., 2007; Scheuvens et al., 2013). The lithogenic

fraction contained in series 24 suggests a source region far away from the mooring posi-

tion. Higher amounts of quartz, low I/K values, and low palygorskite and chlorite fractions

are characteristic of southern Algeria and northern Mali (Brust & Waniek, 2010; Bout-

Roumazeilles et al., 2007; Scheuvens et al., 2013). For the following sample series 25, 26,

and 27, in which the PE fluxes were much lower (Reineccius & Waniek, 2022), the

source region is inconclusive. The I/K content is higher, the smectite content is low, and

no palygorskite was detected. As palygorskite is characteristic of the northwestern Sa-

hara soil compositions (Morocco, central Algeria, western Mauritania) (Bout-Roumazeilles

et al., 2007; Brust & Waniek, 2010; Reiff et al., 1986) and higher smectite contents were

characteristic for Mauritania and western Chad, these regions can be excluded for poten-

tial source regions. Instead, these compositions fit well with Gran Canaria soil (Menéndez

et al., 2020) but can also be a strong mixture of different source regions.

4.4. Seasonality of MP (mass) fluxes

To investigate seasonal relations of MP fluxes, the daily flux values were monthly averaged

for the available data between the years 2003 and 2015 (Reineccius & Waniek, 2022).

The resulting monthly MP (mass) fluxes are illustrated in Fig. 4.3. As the most frequently

detected polymer type (PE) is lighter than seawater and was detected at 2000 m depth, a

ballast effect as described in section 2.1.3 has to be considered. Consequently, the seasonal

pattern for the biogenic content (Ca) is expected to be similar to the seasonal pattern

of the polymer fraction that is lighter than seawater (LP). Actually, this assumption was

confirmed by the occurrence of a summer slump for the MP (mass) fluxes of LP in July -

September, which is characteristic of lower biogenic fluxes at the same time. Besides that,

higher LP fluxes were also found in April and May, corresponding to the spring bloom,

which leads to a maximum biogenic flux between February and April at 2000 m depth.

For the MP (mass) fluxes for polymer types heavier than seawater (HP), the summer

slump can also be observed with the lowest fluxes between May and August. However, the
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Figure 4.3. Monthly calcium (Ca) and aluminum (Al) fluxes in mg day−1 m−2 (a) (adopted from
Pullwer & Waniek (2020)), monthly MP (mass) fluxes (b) (adopted from Reineccius & Waniek
(2022)), (mass) fluxes of the sum of all polymer types lighter than seawater (LP) (c), and heavier
than seawater (HP) (d).

highest fluxes were found for the entire winter between November and February instead

of spring months with potential biogenic ballasting (Reineccius & Waniek, 2022).

This suggests a different dominant sinking and transport mechanism for heavier polymers

compared to light polymer types. This assumption is supported by the fact that heavier

polymer types with a mean size of 88.44 ± 113.46 µm are more likely to be transported
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in the water column than via winds due to their weight and larger sizes compared to

the smaller atmospheric transported clay materials (∼ 1 - 2 µm (Brust & Waniek, 2010)).

In the case of the distribution of HPs in the whole water column and its higher density

than seawater, HPs are very likely to sink by their own weight. The only obstacle in the

vertical sinking pathway is the strong stratification within the upper water column during

summertime, hindering those particles to sink. A deeper mixed layer depth in autumn and

winter can drive the sinking of HPs in November and December contrastingly.

4.5. Degradation rate of MPs

Besides the input rates of plastic into the marine environment and the flux rates of MP

sinking into the deep sea, the degradation rates are needed to assess the fate and total

marine plastic load. These MP particles detected in sediment trap samples (Reineccius

& Waniek, 2022) were strongly fragmented and rough in their surface shape, which

can suggest an advanced degradation. However, the degradation rate is dependent on a

wide variety of influencing processes as described in section 2.1.4. This variability hinders

the assessment of the retention time of MP in the marine environment. Additionally, as

mentioned in section 4.4, heavier polymer types are not buoyant at the water surface but can

be distributed within the water column. These conditions can further affect the degradation

rate with lower photo-oxidation in deeper water layers (Lechthaler et al., 2020). Due to

these unpredictable factors, a location in which the different polymer types are exposed

to similar conditions is considered for the first estimation of the degradation rate. For

a marine location, the beach or coast is the only location in which the particles cannot

sink to deeper water layers and are exposed to solar radiation and mechanical stress. In

addition, temperature fluctuations prevail and oxygen is available for oxidation processes.

Respective experiments were implemented in [Publication 3: Reineccius et al. (2022)].

In this experiment, the polymer types PE, PP, PS, PET, and PVC were weathered under

simulated beach conditions for 18 months. Besides different polymer types, various water

media were chosen to investigate the potential effects of salinity.

When polymers are exposed to UV radiation and oxygen, the first effect that was

noticed is the degradation of hydroxyl (-OH) groups (Fig. 4.4), which are visible at about

3300 - 3450 cm−1. This is also explained in previous theoretical descriptions (Gewert et al.,

2015) for polymers with C-H backbones only (PE, PP, PS). However, as visible in Figure

4.4, PVC was also observed to generate -OH groups in the first days of the experiment.

These groups weakened fast after one to two weeks until they reached the starting level
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after eight weeks of exposure time again. Besides -OH generation, PVC was also observed

to release its chlorine compounds at the same time and its additive (CaCO3) within the

first week. With ATR-FTIR measurements, which are commonly used in MP detection

studies, PVC was hard to identify already after the first week. Even the characteristic

methyl peaks at wavelengths between 2900 and 3000 cm−1 changed over time and are more

similar to PE methyl peaks after the experiment time (18 months). This phenomenon was

also observed by a previous study implemented by Hendrickson et al. (2018), in which PE

was identified for some environmental collected MP particles with ATR-FTIR while PVC

was identified with pyr-GC/MS for the same items. With Raman measurements, PVC

was also detected successfully after all exposure times in this work (Reineccius et al.,

2022). This observation suggests that PVC may have been underestimated in studies using

ATR-FTIR as an analytical method. Furthermore, this observation may explain the large

amounts of PVC found in the sediment trap samples for which Raman spectroscopy was

applied (Reineccius & Waniek, 2022). The reason for these different results by using

different analysis methods is the penetration depth, which differs between the methods.

ATR-FTIR probes the near-surface region of the sample only, which in the case of PVC

can provide misleading information after weathering.

The advantage of using ATR-FTIR, on the other hand, is the possibility of detecting

molecular surface changes with high sensitivity for oxygen components. Introduced by

weathering processes, oxygen compounds such as carbonyl groups are expected at the

polymer surface, which can be found between 1700 and 1800 cm−1 in the FTIR spectra. The

strongest carbonyl peak, which appears at about 1717 cm−1 (ketone peak), is commonly

used to calculate the carbonyl index (CI) (Liu et al., 2019; Miranda et al., 2021; Luo

et al., 2020b; Rouillon et al., 2016) as an indication of the weathering degree of plastic. In

case of linearity or another predictable progression of the CI, the weathering degree can

be defined for environmentally collected plastics. However, this application is connected

to various inaccuracies. As visible in Figure 4.4, the CI (C=O bonds) is not following a

predictable progression for most polymer types (Reineccius et al., 2022). Instead, it

fluctuated strongly for PS and PET, showing an increase followed by a plateau and a

decrease for PVC and is also decreasing after a linear increase for PP. Solely for PE, a

linear increase in CI within the 18 months of weathering time in Baltic Sea (BS) and SCS

water was found, but also these developments contain fluctuations within the first eight

months (Fig. 4.4).

The fluctuation in the CI can be attributed to an ongoing reaction for the -OH groups.
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Figure 4.4. Carbonyl (C=O), hydroxyl (O-H), and C=C (vinyl for PE, PP, and PVC and aromatic
for PS and PET) bond indices for the five different polymer types (PE, PP, PS, PET, and PVC)
and the three water types Warnow River (WW) water, Baltic Sea (BS) water, and South China Sea
(SCS) water. The vertical lines represent the standard deviation (±s.d.) resulting from triplicates
(adopted from Reineccius et al. (2022)).

Potentially smaller soluble or volatile substances can finally be produced, which were re-

leased and could change the FTIR spectra as also hypothesized previously (Fernández-

González et al., 2021). Another reason is the abrasion or fragmentation of the plastic

surface, releasing new unweathered polymer sub-layers for which the fragmentation pro-

cess starts again. This would result in an FTIR spectrum similar to less or unweathered

equivalent polymers.

In the 18 months long experiment, PP was found to be the most unstable polymer

type, lowering the pH of all tested water types (WW, BS, and SCS water) and showing the

fastest fragmentation starting after nine months of exposure (see publication 3: Reineccius

et al. (2022)). As large PP items are expected to float at the water surface, due to

their low weight, photo-oxidation and fragmentation are expected to occur comparable

fast for marine accumulating plastics. Another important finding for PP was the new

property of those broken-out secondary PP fragments that are not exclusively buoyant

at the water surface but sink to the vessel´s bottom as well. Furthermore, the generated

PP fragments, which were released, are very small, with the majority below 2 µm. The
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Figure 4.5. Surface roughness expressed as the power spectral density (PSD) for all weathered
polymer types PE, PP, PS, PET, and PVC as colored lines and the respective root-mean-square
roughness (Sq) over the exposure time in black for the three different water media (Warnow, Baltic
Sea, and South China Sea water). Error bars represent the standard deviation (±s.d.) resulting
from triplicates.

instrumental detection limit of the FTIR and Raman spectroscopes are generally at 10 µm,

making the consideration of these PP fragments in field studies difficult, with potential

large underestimations of PP abundances. The generation of such small fragments was also

observed in other weathering experiments, e.g., for low-density PE (Menzel et al., 2022).

In this work, the polymer types PE, PS, PET, and PVC are not fragmented over

time (Reineccius et al., 2022). Instead, the polymer surface was visibly ablated for the

polymer types PS, PET, and PVC, resulting in a smoother surface compared to the pristine

state. This process is visible in the surface roughness of these polymer types (Fig. 4.5),
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which decreases with progressing weathering time. This abrasion of the uppermost surface

layer can also lead to changing FTIR spectra but less than in case of fragmentation. By

monitoring the weight loss of fragmented PP and abraded PS, PET, and PVC, significant

weight losses were observed for PP exposed to Warnow (WW) and SCS water with also

significant higher weight losses for SCS water compared to BS and WW water. For the

abraded polymer types, a significant weight loss was only observed for PVC exposed to

WW water, with no differences between the water media. The amounts of secondary MPs

detected in the water were also highest for PP compared to the other polymer types.

Considering the sum of influencing factors of fragmentation, abrasion, ongoing reac-

tion, and the generation of volatile or soluble compounds, the CI is not able to define the

weathering degree of marine plastic sufficiently. Besides that, additives added during man-

ufacturing and varying environmental conditions further distort the defined predictions of

the CI developments. Regarding these influencing processes, the generation of the C=C

bonds is also not following a predictable development (Fig. 4.4). Due to unknown initial

states, the crystallinity can also not be used to determine the weathering degree (Reinec-

cius et al., 2022). Consequently, there is no reliable method to determine the age or

degree of weathering of plastics that accumulate in the marine environment until now.

Nevertheless, to determine the residence time of plastic in the oceans, longer experiments

are needed in which plastic is exposed to environmental conditions until its disappearance.

This process, however, can take several years or even decades.

With the previous findings made by Reineccius et al. (2022), PP was the first poly-

mer type getting undetectable in the marine environment. Its fast fragmentation leads to

weight losses between 5 and 21% after 12,960 sunshine hours, depending on the water

media. Considering the annual sunshine hours in Germany of 1665 h, this corresponds to

7.78 years, with half of this time in which no fragmentation occurred. Assuming a stable

fragmentation rate of 5%, which was determined for Baltic Sea water for the last nine

months of the experiment and the German sunshine hours, PP would be fully fragmented

after 82 years. In saltier water, such as the SCS water with a fragmentation rate of 21%

and annual sunshine hours of 1908 h, the total fragmentation of PP would only need about

20 years. For the other polymer types, this means an even longer fragmentation or degra-

dation time under marine conditions, especially for polymer types sinking to the seabed.

The sunshine hours in the Canary Islands are much higher, with 4800 h and about 2200 h

in Madeira. This more extended radiation would lead to a faster plastic degradation, with

an estimated complete fragmentation in only 8 - 17 years for PP close to the mooring site
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Kiel 276. Considering an aquatic transport pathway via rivers, PP items can rest for a

long time at the land-based source before exposure to the river. Combined with a long

traveling time between 1 - 10 years until floating items can reach the mooring station at

33◦N and 22◦W (Van Sebille et al., 2012), PP is expected to be low at such remote places.

Indeed, PP was rarely detected at this mooring station with only 0.6% of the total MP flux

(Reineccius & Waniek, 2022). This is significantly less than the European PP demand

of 19.7%. Even at the North Atlantic surface, PP amounts are lower than expected, with

6% found by Enders et al. (2015). Consequently, these dominating polymer types arriving

at the mooring station Kiel 276 at 2000 m depth can be expected to be both the most

durable and the most produced polymer types.

4.6. Extrapolation and comparison with previous studies

The total amount of mismanaged plastic waste between 1950 and 2015 was estimated to

be 4977 million tons (Mt) worldwide and ended up in landfills or the natural environment

(Geyer et al., 2017). For the same period, a total plastic mass between 17 and 47 Mt was

calculated for the Atlantic Ocean alone, which accumulates in the water and sediments

(Pabortsava & Lampitt, 2020). This corresponds to less than 1% of the estimated misman-

aged plastic waste accumulating in the Atlantic Ocean. Assuming an equal distribution of

MP in the oceans, this is still only 1 - 4% of all mismanaged plastic waste which is assumed

to accumulate in the oceans worldwide. This agrees well with the annual plastic input into

the oceans via rivers of 1.15 - 2.41 Mt year−1 (Lebreton et al., 2017), which is also about

1% of the annual waste generation estimated by Geyer et al. (2017). However, the amount

of plastic disposed of in the environment was estimated to be higher with 80 Mt in 2015

(Lebreton & Andrady, 2019). Jambeck et al. (2015) have also calculated much higher plas-

tic masses with 4.8 - 12.7 Mt entered the marine environment in 2010, and a progressing

increase is expected (one order of magnitude by 2025).

The flux data calculated for the sediment trap samples analyzed by Reineccius &

Waniek (2022) suggest an annual MP input of 5.4 Mt year−1 into the Atlantic Ocean alone

(area of 81.2 × 106 km2 (Pabortsava & Lampitt, 2020)). Assuming an equal distribution of

plastic in the oceans, this corresponds to 24.0 Mt year−1, which is in good agreement with

the calculations conducted by Jambeck et al. (2015). As described by Geyer et al. (2017)

and Jambeck et al. (2015), plastic pollution in the oceans is expected to increase due to the

ongoing increase of plastic production and waste generation. However, the sinking materials

collected between 2003 and 2015 do not reveal a significant elevation in MP abundances
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(Fig. 4.1). Instead, the MP fluxes seem to be coupled to single events, leading to high fluxes

followed by years with low MP abundances (Reineccius & Waniek, 2022). Therefore,

longer time series are essential to detect potentially increasing MP (mass) flux rates reliably.

In the literature, there are various studies in which increasing plastic pollution has also not

been found (e.g., Law et al. (2010)). On the other hand, over longer time scales between

30 and 60 years, plastic pollution has elevated, even in the Atlantic Ocean (Ostle et al.,

2019; Wilcox et al., 2019).

Another approach for investigating global plastic pollution development is comparing

samples from previous studies taken in different years. However, due to differing envi-

ronmental factors and methodologies, the abundances of MP vary widely between these

studies, even for the same years or similar locations (Fig. 4.7 and 4.6). Allowing for some

variation among the different methods, the calculated potential MP abundance increased

for most consistent studies, except for ten sediment and four surface water studies, where

slight decreases were observed (Fig. 4.6b and 4.7b). An overestimation can explain the de-

creasing abundance due to visual detection, which is estimated to have an average success

rate of 68% (Lenz et al., 2015). Additionally, the used density solutions were considered

with the potentially rejected polymer types, which are not floating in the respective solu-

tion. In the case of a saturated NaCl solution, 26% (PS, PET, PVC, polyurethane) of the

total MP amount was potentially rejected in this method, which was calculated from the

total European production rate. In the case of the use of water as a flotation agent, only

50% (PE, PP) were expected to be recovered in the samples. Besides that, also the size

was considered. To obtain a reference size distribution, all detected MP particles found in

sediment trap samples (n = 13017) were used.

If a net with a mesh size of 300 µm was used to sample water for MP analysis, it

can be assumed that smaller particles were not included. As MPs > 300 µm in size are

very rare in the analyzed sediment trap samples (2%) but also in previous water and

sediment samples with less than 1% (Bergmann et al., 2017; Tekman et al., 2020) a large

underestimation can be assumed. This assumed underestimation leads to an increase in

potential MP abundance by more than one order of magnitude. Another considered factor

was the analysis method. In the case of the application of the ATR-FTIR mode, a high loss

of PVC fractions was assumed, as explained in the previous section. PVC account for 9.6%

of the total European demand, leading to an equivalent potential underestimation. Some

factors, such as the fragmentation progress or particles smaller than 10 µm and degradation

due to digestion solutions, were not included in this calculation due to high uncertainties or
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unknown effects. However, those factors can additionally lead to a current underestimation

of MP abundances in the environment.

For the presented overview, only those studies that focused on marine surface water

samples reported as MP items per m3 were considered (Fig. 4.7). In addition, only studies

that provided the necessary details, such as sampling locations and methodical approaches,

were selected. The same approach was used for studies on marine sediment samples, but

the results were expressed in items per kg (Fig. 4.6).

The presented MP detection assessment revealed a high level of uncertainty, with abun-

dances in some cases being up to three orders of magnitude higher (Fig. 4.6 and 4.7). Based

on the findings of this work, it must be assumed that especially studies conducted in the

Asian region based on samples taken along the Chinese coast, as well as along the US

and Mexican coasts, show much higher MP abundances in marine waters than previously

assumed (Fig. 4.6 and S2). Due to the high accuracy of Arctic and Antarctic MP studies,

calculated abundances are changing less. In Europe, the MP abundance increased predom-

inantly for the Mediterranean Sea, resulting in similar results as those for the Baltic and

North Seas. A similar trend was observed for sediment studies, with higher abundances

along the Chinese coast, the Mediterranean Sea, and the US coastline. Fewer differences

were verified for Australia, and the most northern studies in north Canada, North Atlantic,

as well as the Baltic and North Sea.

The exorbitantly high MP abundances calculated for the Chinese coastline are in good

agreement with previously estimated regional plastic inputs by Lebreton et al. (2017).

Interestingly, also the Indonesian environment is expected to be loaded with plastic waste,

but MP abundances are comparably low at the water surface of these areas. Instead,

sediments contained higher MP loads. In contrast, European plastic quantity was expected

to be lower compared to the Chinese marine environment (Lebreton et al., 2017), especially

for the semi-enclosed Baltic Sea. However, detected MP abundances are in the same order

of magnitude after the methodical correction as the MP findings at the Chinese coastlines

(Fig. S1 and S2). Even in the Arctic region, MP loads are higher than expected. A potential

explanation for this observation is the MP ”dilution” in the open oceans. In the open ocean,

currents are suspected to play an important role in plastic recovery. The transportation of

high plastic amounts accumulating in the subtropical North Atlantic Gyre is enabled by the

northwards North Atlantic Current and the Norwegian Current. Antarctica is less affected

by currents that pass highly populated regions leading to low plastic accumulations (Fig.

4.7 and 4.6).
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Figure 4.6. MP abundances in sediments (a) extracted from the literature listed in (b) and
Table S1 (Supplementary Materials) with the mean MP abundance for each reference and potential
abundances calculated from the uncertainties of the respective detection method (b).
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Figure 4.7. MP abundances in water (a) extracted from the literature listed in (b) and in Ta-
ble S2 (Supplementary Materials) with the mean MP abundance for each reference and potential
abundances calculated from the uncertainties of the respective detection method (b).
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5. Summary and Outlook

The present thesis focuses on the fate of MP in marine systems for which two hypotheses

were considered. The first hypothesis was that plastic floats on the water´s surface, but

some proportions also sink through the water column to the seabed (I). The second hy-

pothesis was that MP weathered at the water surface, leading to fragmentation and the

formation of smaller and more fragile MP items (II). In order to investigate hypothesis

I, sediment trap samples were used to estimate potentially sinking MP amounts in spe-

cific time intervals (Reineccius & Waniek, 2022). As these samples are mass-limited

and potentially contain small and fragile MPs, a gentle but effective extraction method

is needed. Because no standardized method for MP extraction exists, a new method for

mass-limited samples was established and validated with artificial and natural samples col-

lected from a highly MP-polluted area (Reineccius et al., 2021). This newly developed

method enables MP recovery rates of 98%, similar to highly effective density separation

methods combined with a gentle digestion step.

In this work, sediment trap samples from 2000 m depth between April 2003 and June

2015 were selected from the subtropical Northeast Atlantic, providing the opportunity

to investigate MP abundances at a remote place (Reineccius & Waniek, 2022). The

detected MP flux rates were highly variable over time, with a strongly differing polymer

composition. The main contributors were PE and PVC, with smaller abundances of PP, PS,

and other polymer types. The MP particles were strongly fragmented and small, dominated

by particles < 100 µm. No significant size differences were observed between the seasons,

sampling series, or polymer types. Instead, a correlation of PE fluxes with the lithogenic

fluxes was revealed, indicating a similar transport pathway via the air. For PVC, a season-

ality was found with higher flux rates during winter compared to summer. This observation

is likely attributed to marine seasonal conditions such as stratification.

A weathering experiment was conducted with conditions similar to the onshore aquatic

environment to examine hypothesis II (Reineccius et al., 2022). In this experiment,

the weathering progress of five different polymer types (PE, PP, PS, PET, and PVC) was

monitored in three different water media (Warnow (WW), Baltic Sea (BS), and South

China Sea (SCS) water). In the frame of this experiment, changes were observed for all

polymer types resulting in different fragmentation speeds, as well as molecular and morpho-

logical surface changes. These results indicate rapid molecular changes within the polymer

surfaces, potentially releasing various degradation products into the surrounding water.
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5 Summary and Outlook

For PP, the fastest degradation progress was found with strong fragmentation into small

(mainly < 2 µm) sinking PP fragments and a lowering of the pH value over the exposure

time. PVC was also observed to degrade fast but with more remarkable changes in the

molecular surface instead of fragmentation.

Concerning the global plastic fate, these findings reveal that those previously ”miss-

ing” plastic fractions are factual sinking into the deep sea, continuously accumulating in the

seabed. Besides that, the fragmentation of plastic caused by weathering can lead to MP par-

ticle sizes smaller than the detection limits of current spectroscopic methods. The resulting

underestimation further justifies the low amounts of detected plastic in the environment

compared to the higher predictions of marine plastic pollution. This work suggests that

the mineralization of plastic in the marine environment contributes to a minor proportion.

The main reasons for the unexpected lower global plastic detection are the distribution

of particles into hidden or difficult-to-reach locations, such as the deep sea, as well as

limited detection techniques. Due to the limited spectroscopic opportunities in detecting

MP items < 10 µm, a mass-based detection method such as the pyr-GC/MS is proposed

for future investigations for more precise results of the total plastic amount. Additionally,

a standardized extraction and sampling method is needed to enable reliable comparisons

between previous studies, which should consider the sum of all MP sizes (1 - 5000 µm). The

use of sampling methods rejecting a wide size range, e.g., by using mesh sizes of 300 µm or

more, can lead to significant misleading results in MP abundances (more than 99%).

More reliable and comparable results could be achieved if the detection methods for

MP were standardized in marine environmental samples. This achievement will enable

comparisons between different sediment trap samples representing the MP flux rates of

different locations. Combined with additional data about MP abundances in the water

surface and the sea bottom, those sediment trap data could be used to resolve the global

plastic fate in the marine systems and give an overview of the distribution, transport

pathway, and sources. With increased knowledge about the global distribution and fate of

MPs in the oceans, hot spots with high pollution levels can be revealed. Further research is

also needed to discover all potential threats concerning the degradation products of plastic.
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Crichton, E. M., Noël, M., Gies, E. A., & Ross, P. S. (2017). A novel, density-independent
and FTIR-compatible approach for the rapid extraction of microplastics from aquatic
sediments. Analytical Methods , 9 , 1419–1428. doi:10.1039/c6ay02733d.

Cutroneo, L., Capello, M., Domi, A., Consani, S., Lamare, P., Coyle, P., Bertin, V., Dornic,
D., Reboa, A., Geneselli, I. et al. (2022). Microplastics in the abyss: a first investigation
into sediments at 2443-m depth (Toulon, France). Environmental Science and Pollution
Research, 29 , 9375–9385. doi:10.1007/s11356-021-17997-z.

Dahl, M., Bergman, S., Björk, M., Diaz-Almela, E., Granberg, M., Gullström, M., Leiva-
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Lambert, C., & Huvet, A. (2017). Influence of environmental and anthropogenic fac-
tors on the composition, concentration and spatial distribution of microplastics: a case
study of the Bay of Brest (Brittany, France). Environmental Pollution , 225 , 211–222.
doi:10.1016/j.envpol.2017.03.023.

Frias, J., Sobral, P., & Ferreira, A. M. (2010). Organic pollutants in microplastics from
two beaches of the Portuguese coast. Marine Pollution Bulletin , 60 , 1988–1992. doi:10.
1016/j.marpolbul.2010.07.030.

48

http://dx.doi.org/10.1016/j.marpolbul.2016.08.054
http://dx.doi.org/10.1016/j.aca.2020.11.002
http://dx.doi.org/10.1016/j.marpolbul.2020.110991
http://dx.doi.org/10.1007/s11356-019-05341-5
http://dx.doi.org/10.1016/j.marpolbul.2019.110790
http://dx.doi.org/10.1021/acs.est.6b06362
http://dx.doi.org/10.1016/j.jmarsys.2021.103517
http://dx.doi.org/10.1016/j.envpol.2017.03.023
http://dx.doi.org/10.1016/j.marpolbul.2010.07.030
http://dx.doi.org/10.1016/j.marpolbul.2010.07.030


References

Frias, J. P., Gago, J., Otero, V., & Sobral, P. (2016). Microplastics in coastal sediments
from Southern Portuguese shelf waters. Marine Environmental Research , 114 , 24–30.
doi:10.1016/j.marenvres.2015.12.006.

Fries, E., Dekiff, J. H., Willmeyer, J., Nuelle, M.-T., Ebert, M., & Remy, D. (2013). Identi-
fication of polymer types and additives in marine microplastic particles using pyrolysis-
GC/MS and scanning electron microscopy. Environmental Science: Processes & Impacts ,
15 , 1949–1956. doi:10.1039/c3em00214d.
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Table S1. Selected references for the literature review used in sections 2.2 and 4.6 including field
studies focused on marine seabed, mangroves, and beach sediments.

sampling digestion salt analysis reference

seabed

divers enzymatic NaI FTIR Dahl et al. (2021)

corer Fenton NaI FTIR Lin et al. (2020)

divers – ZnCl2 FTIR Martin et al. (2020)

corer H2O2 NaCl FTIR Wang et al. (2018a)

corer H2O2 CHKO2 Raman Xue et al. (2020)

grab – NaCl FTIR Claessens et al. (2011)

corer – oil FTIR Courtene-Jones et al. (2020)

corer H2O2 CaCl2 FTIR Li et al. (2020)

corer Fenton NaI FTIR Lin et al. (2021)

corer H2O2 ZnCl2 FTIR Uddin et al. (2021)

corer – NaCl & NaI Raman Chen et al. (2020)

divers – – visual Alomar et al. (2016)

divers – NaCl visual Blašković et al. (2016)

divers – NaCl visual Fastelli et al. (2016)

corer – NaCl FTIR Filgueiras et al. (2019)

grab – NaCl & ST1 Raman Frere et al. (2017)

divers – NaCl FTIR Frias et al. (2016)

grab – NaCl FTIR Graca et al. (2014)

corer H2O2 NaCl FTIR Peng et al. (2017)

corer – NaCl FTIR Reed et al. (2018)

dredge H2O2 NaCl FTIR Tsang et al. (2017)

corer H2O2 NaI FTIR Zhang et al. (2019b)

corer H2O2 NaCl FTIR Zhao et al. (2018)

corer H2O2 NaI FTIR Zhu et al. (2018)

divers H2O2 NaCl FTIR Villanova-Solano et al. (2022)

corer – NaCl & NaI FTIR Dai et al. (2018)

corer Fenton ZnCl2 FTIR Tekman et al. (2020)

grab & corer mixture2 ST1 FTIR Enders et al. (2019)

grab Fenton ZnCl2 FTIR Gholizadeh & Cera (2022)

corer – NaCl FTIR Vianello et al. (2013)

grab – NaCl FTIR Leslie et al. (2017)

grab Fenton NaCl FTIR Firdaus et al. (2020)

grab – NaCl FTIR Alves & Figueiredo (2019)

corer Fenton NaI visually Willis et al. (2017)

grab EO3 ZnCl2 FTIR Lorenz et al. (2019)

grab H2O2 NaCl visually Maes et al. (2017)
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sampling digestion salt analysis reference

grab – ZnCl2 FTIR Zheng et al. (2019)

corer – NaCl FTIR Zhou et al. (2021)

dredge Fenton ZnCl2 visually Zobkov & Esiukova (2017)

corer – NaCl visually Cannas et al. (2017)

corer – NaCl FTIR Woodall et al. (2014)

corer – NaCl FTIR Naidoo et al. (2015)

grab mixture4 ZnCl2/CaCl2 FTIR Knutsen et al. (2020)

grab H2O2 MgCl2 Raman Cutroneo et al. (2022)

corer Fenton ZnCl2 FTIR Bergmann et al. (2017)

corer – NaCl & NaI Raman Peng et al. (2018)

corer Fenton ZnCl2 FTIR Abel et al. (2020)

grab H2O2 NaI FTIR Patterson et al. (2019)

grab H2O2 NaCl FTIR Wang et al. (2020)

grab – ZnCl2 FTIR Chen et al. (2018)

corer – ST1 FTIR Huntington et al. (2020)

divers – NaI visually Graham & Thompson (2009)

grab Fenton NaI visually Ling et al. (2017)

corer H2O2 NaCl visually Cordova & Wahyudi (2016)

divers NaOH NaCl visually Sandre et al. (2019)

grab – NaI visually McEachern et al. (2019)

grab enzymatic ZnCl2 FTIR Haave et al. (2019)

dredge – NaCl visually Ronda et al. (2019)

grab – – FTIR Mistri et al. (2020)

grab – NaCl FTIR Palatinus et al. (2019)

grab – NaCl visually Romeo et al. (2015)

corer – ST1 Raman Ballent et al. (2016)

grab – NaCl FTIR Falahudin et al. (2020)

divers H2O2 ZnCl2 FTIR Cheang et al. (2018)

corer H2O2 NaCl FTIR Zhang et al. (2019a)

steel plate – ZnCl2 Raman Kazour et al. (2019)

metal cylinder KOH ZnCl2 FTIR Bucol et al. (2020)

mangroves

not specified H2O2 CaCl2 FTIR Li et al. (2018b)

not specified H2O2 CHKO2 Raman Li et al. (2018c)

spatula – NaCl FTIR Nor & Obbard (2014)

shovel – NaCl & NaI FTIR Zhou et al. (2020)

shovel – NaCl & NaI FTIR Naji et al. (2019)

spatula – – FTIR Lourenço et al. (2017)

beaches

glass jar – NaCl FTIR Blumenröder et al. (2017)
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sampling digestion salt analysis reference

spoon – NaCl & NaI TD-Pyr-GC/MS4 Dekiff et al. (2014)

spatula H2O2 ZnCl2 visually Esiukova (2017)

spoon H2O2 elutriation Nile Red Hengstmann et al. (2017)

not specified – water visually Baztan et al. (2014)

not specified – NaCl FTIR Kunz et al. (2016)

spoon – NaCl Raman Lots et al. (2017)

spatula – NaCl visually Laglbauer et al. (2014)

spoon – NaCl & NaI FTIR Naji et al. (2016)

spoon – NaCl & NaI FTIR Naji et al. (2017)

watch glass – NaCl FTIR Qiu et al. (2015)

spatula – NaCl FTIR Rios-Mendoza et al. (2021)

spoon H2O2 CaCl2 visually Stolte et al. (2015)

shovel H2O2 NaI FTIR Wu et al. (2019)

shovel – NaCl FTIR Yu et al. (2019)

shovel – NaCl & NaI FTIR Zhou et al. (2018)

tweezers H2O2 ZnCl2 FTIR Sathish et al. (2019)

spoon H2O2 NaI FTIR Sathish et al. (2020)

spoon – ZnCl2 FTIR Chen et al. (2018)

glass jar H2O2 CaCl2 Raman Hamilton et al. (2021)

spoon – NaCl FTIR Carlsson et al. (2021)

trowel H2O2 NaCl visually Mathalon & Hill (2014)

corer – CsCl Raman Dodson et al. (2020)

corer or spatula KOH or HNO3 KI FTIR Phuong et al. (2018)

spoon KOH KI FTIR Aslam et al. (2019)

shovel H2O2 NaCl & ZnCl2 FTIR Kor et al. (2020)

not specified – NaCl FTIR Masiá et al. (2019)

shovel – NaCl FTIR Chen & Chen (2020)

steel quadrat – ZnCl2 FTIR Atwood et al. (2019)

spatula – NaCl FTIR Abidli et al. (2018)

spatula – NaCl visually Kazmiruk et al. (2018)

steel cup – ZnCl2 FTIR Coppock et al. (2017)

spoon H2O2 NaCl visually Karlsson et al. (2017)

not specified H2O2 ZnCl2 SEM Retama et al. (2016)

bucket – NaCl visually Guerranti et al. (2017)

spade – NaCl & NaI visually Akhbarizadeh et al. (2017)

1 ST = sodium polytungstate.
2 mixture = SDS, enzymes, NaOH, and HCl were used.
3 EO = enzymatic-oxidative digestion.
4 TD-Pyr-GC/MS = thermal desorption pyrolysis gas chromatography/mass spectrometry.
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Table S2. Selected references for sections 2.2 including field studies focused on marine waters.
Figure 4.7 also bases on these references, with the exclusion of water column studies (Cai et al.,
2018; Choy et al., 2019; Cincinelli et al., 2017; Courtene-Jones et al., 2017; Desforges et al., 2014;
Di Mauro et al., 2017; Enders et al., 2015; Pabortsava & Lampitt, 2020; Song et al., 2018; Tekman
et al., 2020; Zobkov et al., 2019; Zhou et al., 2021).

sampling digestion salt analysis reference

surface

net – NaCl FTIR Rios-Mendoza et al. (2021)

canisters H2O2 CaCl2 visually Stolte et al. (2015)

pump H2O2 – FTIR Wu et al. (2019)

net EO1 ZnCl2 FTIR Lorenz et al. (2019)

pump – – FTIR Zheng et al. (2019)

CTD – – FTIR Zhou et al. (2021)

net – – FTIR Yakushev et al. (2021)

net – – visually Moore et al. (2002)

pump EO1 ZnCl2 FTIR Roscher et al. (2021)

net H2O2 – FTIR Suteja et al. (2021)

tray Fenton NaCl FTIR Song et al. (2018)

net – – visually Aytan et al. (2016)

net NaOH & HNO3 – FTIR Castillo et al. (2016)

net & sieve – – FTIR Chae et al. (2015)

net – – visually de Lucia et al. (2014)

net – – Raman Frere et al. (2017)

net H2O2 water visually Gewert et al. (2017)

net – – FTIR Isobe et al. (2016)

net H2O2 – FTIR Kang et al. (2015)

pump KOH – FTIR Luo et al. (2019)

net – – visually Nel & Froneman (2015)

net – NaCl FTIR Tsang et al. (2017)

net – – visually van der Hal et al. (2016)

net – – visually Wang et al. (2018b)

net Fenton – FTIR Zhang et al. (2017)

net & pump H2O2 ZnCl2 visually Zhao et al. (2014)

pump enzymatic – visually Zhao et al. (2015)

net – – FTIR Leistenschneider et al. (2021)

not specified H2O2 ZnCl2 FTIR Yao et al. (2019)

net H2O2 NaCl FTIR Tang et al. (2018)

CTD EO1 – FTIR Tekman et al. (2020)

not specified H2O2 – FTIR Li et al. (2018a)

net EO1 ZnCl2 Raman Cabernard et al. (2018)

net – ZnCl2 FTIR Scott et al. (2019)

net & glass bottles – – FTIR Green et al. (2018)
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sampling digestion salt analysis reference

net – – NIR2 Gaǰst et al. (2016)

net H2O2 – FTIR Olivatto et al. (2019)

net H2O2 NaI FTIR Patterson et al. (2019)

glass bottle H2O2 – FTIR Sathish et al. (2020)

net – NaCl Raman Koongolla et al. (2018)

net Fenton digestion solution FTIR Athapaththu et al. (2020)

steel sampler – – FTIR Khalik et al. (2018)

net H2O2 ZnCl2 FTIR Syakti et al. (2018)

container H2O2 – Raman Huang et al. (2019)

container H2O2 – Raman Nie et al. (2019)

bucket H2O2 – FTIR Dai et al. (2018)

net – – FTIR Sun et al. (2018)

net KOH NaCl FTIR Wang et al. (2020)

net – – FTIR Chen et al. (2018)

pump H2O2 – FTIR Xu et al. (2018)

CTD Fenton NaCl FTIR Zhu et al. (2018)

steel bucket H2O2 – FTIR Li et al. (2018d)

net H2O2 – FTIR Mai et al. (2018)

net – – FTIR Isobe et al. (2014)

net Fenton NaCl FTIR Mu et al. (2019)

pump – oil FTIR Ross et al. (2021)

net – – FTIR Doyle et al. (2011)

bucket – – Raman Huntington et al. (2020)

pump mixture3 ST FTIR Rist et al. (2020)

net H2O2 – Raman Hamilton et al. (2021)

sieve – – FTIR Morgana et al. (2018)

net KOH NaCl FTIR Carlsson et al. (2021)

net SDS & H2O2 – FTIR Hänninen et al. (2021)

steel apparatus – – visually Gray et al. (2018)

net Fenton NaCl FTIR Ferreira et al. (2020)

Van Dorn sampler mixture4 – visually McEachern et al. (2019)

net H2O2 – visually Ronda et al. (2019)

glass jar H2O2 – visually Karlsson et al. (2017)

net – – Raman Kazour et al. (2019)

column

net & pump H2O2 NaCl FTIR Cai et al. (2018)

net & pump H2O2 NaCl FTIR Cai et al. (2018)

grab – – Raman Choy et al. (2019)

pump – – FTIR Cincinelli et al. (2017)

CTD – – FTIR Courtene-Jones et al. (2017)

pump HCl – Nile Red Desforges et al. (2014)
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sampling digestion salt analysis reference

net & CTD HF – FTIR Di Mauro et al. (2017)

pump SDS – Raman Enders et al. (2015)

net – – FTIR Lefebvre et al. (2019)

pump KOH – FTIR Pabortsava & Lampitt (2020)

pump Fenton NaCl FTIR Song et al. (2018)

CTD SDS & EO1 – FTIR Tekman et al. (2020)

pump Fenton & HCl – Raman Zobkov et al. (2019)

CTD – – FTIR Zhou et al. (2021)

1 EO = enzymatic-oxidative digestion.
2 NIR = near-infrared spectroscopy.
3 mixture = SDS, various enzymes, Fenton and NaOH.
4 mixture = Tris HCl, EDTA, NaCl, SDS, proteinase K and NaClO4.

Figure S1. Potential MP abundances in marine sediments extracted from the literature listed in
Table S1. The calculation of those potential abundances is explained in section 4.6.
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Figure S2. Potential MP abundances in marine surface waters extracted from the literature listed
in Table S2. The calculation of those potential abundances is explained in section 4.6.

Figure S3. Overview of commonly applied sampling procedures, extraction methods, and analysis
techniques for the respective sampling types. Depending on the water content, respective samples
were freeze-dried or filtered before applying chemicals. No water reduction step is also possible.
The listed extraction steps (density separation and digestion) were used depending on the sample
characteristics and can also be skipped. The used chemicals were chosen based on availability,
price, toxicity, handling, reaction speed, efficiency, and/or effects on the MPs. The listed analysis
techniques can be applied for every sample type and can not be ignored.
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Publication I

Reineccius, J., Bresien, J., Waniek, J.J. (2021). Separation of microplastics from mass-

limited samples by an effective adsorption technique. Science of the Total Environment.

788, 147881. doi: 10.1016/j.scitotenv.2021.147881

This manuscript was conceptualized by J.J. Waniek and J. Reineccius. Experimental

laboratory work, data analysis, and writing of the manuscript were performed by J. Reinec-

cius. Measurement instruments and handling were provided by J. Bresien. The manuscript

was reviewed by all authors. The contribution of J. Reineccius to this manuscript was ap-

proximately 90%.

Publication II

Reineccius, J. & Waniek, J.J. (2022). First long-term evidence of microplastic pollution

in the deep subtropical Northeast Atlantic. Environmental Pollution. 305, 119302. doi:

10.1016/j.envpol.2022.119302

For this study, J. Reineccius performed laboratory work, including microplastic extrac-

tion and analysis for every sample. The samples and necessary foundations were provided by

J.J. Waniek. Data evaluation and writing of all manuscript versions were implemented by

J. Reineccius. J.J. Waniek reviewed all versions and supervised the evaluation approaches.

Approximate contribution to this work by J. Reineccius of 80%.

Publication III

Reineccius, J., Schönke, M., Waniek, J.J. (2022). Abiotic long-term simulation of microplas-

tic weathering pathways under different aqueous conditions. Environmental Science and

Technology. (accepted). doi: 10.1021/acs.est.2c05746

This work was conceptualized by J. Reineccius and J.J. Waniek. J. Reineccius intro-

duces the idea and first experimental setups. Under supervision and foundation by J.J.

Waniek, the experimental procedure was enabled and refined. All laboratory works, anal-

ysis, and data evaluation was conducted by J. Reineccius. The evaluation of roughness

measurements was supported by the specific experience of M. Schönke. All manuscript

versions were drafted by J. Reineccius. J.J. Waniek and M. Schönke reviewed all versions.

Approximate contribution to this work by J. Reineccius of 85%.
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Publication I

Publication I

Full Research Paper, Science of the Total Environment journal, 2021

Separation of microplastics from mass-limited samples by an

effective adsorption technique

Janika Reineccius, Jonas Bresien, Joanna J. Waniek

Submitted: 3 March 2021; Accepted: 13 May 2021

doi: 10.1016/j.scitotenv.2021.147881

Abstract Microplastic in the environment hides visible and invisible dangers for the ecosys-

tems and domiciled organisms. Due to the large quantities of microplastics already distributed

worldwide, comparative studies to investigate the associated hazards, distribution patterns, and

abundances are becoming increasingly important. Due to varying efforts and budgets, there is still

no homogenized detection method for microplastics in the environment, which severely compromises

the comparability and reliability of results between previous studies. In this study, we compare the

efficacy, degradative effect on microplastics, and microplastic recovery rates of different digestion

and separation methods for isolating microplastics from mass-limited environmental samples with

high biogenic content. Our results show that the most gentle and effective isolation method is an

adsorption- based technique that exploits the lipophilic properties of plastic for separation. This

technique achieves an average microplastic recovery rate of 98.0 ± 3.8% and a matrix removal

of 96.3 ± 0.3% at low cost and minimum effort. To examine the applicability of this technique

to natural environmental samples, eight sediments and two plankton net samples from the South

China Sea were selected to determine microplastic abundances. In the analyzed sediment samples,

0–9 microplastic items per 10 g sediment d.w. were found, while 17–25 items per m3 were detected

in net samples. Considering the respective mean plastic density, this corresponds to a calculated

microplastic mass of 0–39 µg (10 g d.w.)-1 and 3.7–7.1 µg m−3 in sediment and water samples, re-

spectively. This study represents a new way of microplastic extraction from matrix-rich mass-limited
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Microplastic in the environment hides visible and invisible dangers for the ecosystems and domiciled organisms.
Due to the large quantities ofmicroplastics already distributedworldwide, comparative studies to investigate the
associated hazards, distribution patterns, and abundances are becoming increasingly important. Due to varying
efforts and budgets, there is still no homogenized detection method for microplastics in the environment,
which severely compromises the comparability and reliability of results between previous studies. In this
study, we compare the efficacy, degradative effect on microplastics, and microplastic recovery rates of different
digestion and separation methods for isolating microplastics from mass-limited environmental samples with
high biogenic content. Our results show that the most gentle and effective isolation method is an adsorption-
based technique that exploits the lipophilic properties of plastic for separation. This technique achieves an
averagemicroplastic recovery rate of 98.0± 3.8% and amatrix removal of 96.3± 0.3% at low cost andminimum
effort. To examine the applicability of this technique to natural environmental samples, eight sediments and two
plankton net samples from the South China Sea were selected to determine microplastic abundances. In the
analyzed sediment samples, 0–9 microplastic items per 10 g sediment d. w. were found, while 17–25 items
per m3 were detected in net samples. Considering the respective mean plastic density, this corresponds to a
calculatedmicroplasticmass of 0–39 μg (10 g d.w.)−1 and 3.7–7.1 μgm−3 in sediment andwater samples, respec-
tively. This study represents a new way of microplastic extraction from matrix-rich mass-limited samples with
high accuracy and easy feasibility at low costs, which would be useful as a worldwide homogenized method in
future microplastic research projects and related data comparability.
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1. Introduction

Plastic is one of the most common anthropogenic litter in the envi-
ronment today (Derraik, 2002). It has been detected in terrestrial soils
(Liu et al., 2018; Zhang et al., 2018b), in the air (Dris et al., 2017), in
every ocean (Barnes et al., 2009; Cózar et al., 2014; Kanhai et al.,
2017), and even in Arctic deep-sea sediments (Bergmann et al., 2017).
Due to the permanently increasing production, consumption, and
recycling mismanagement (Gourmelon, 2015), the environmental
abundances are rising inexorably. By 2050, it is estimated that 12,000
million metric tons of plastic waste will be deposited in landfills or nat-
ural environments (Geyer et al., 2017), distributed across the globe by
natural physical forces, and finally ending up in the marine environ-
ment (Alimba and Faggio, 2019; Mishra et al., 2019). Based on these
global occurrences, the current era is already termed “Plasticene”
(Alimi et al., 2018; Reed, 2015). Microplastics are the most frequently
detected plastics worldwide, defined in the size range of 1–5000 μm
(Hidalgo-Ruz et al., 2012). Due to their durability, ubiquity, lightweight,
and wide range of colors and sizes, microplastic particles are often mis-
taken for prey by marine species (Di Mauro et al., 2017), accumulating
in the food web (Avio et al., 2020; Nelms et al., 2018), and finally
reaching the human diet (Auta et al., 2017; Carbery et al., 2018).

Plastic polymers themselves are considered chemically inert, but
pollutants added during the manufacture, such as monomer residues
or various additives like phthalates, Bisphenol A, or organophosphorus
esters, can pose a threat to the environment and organisms (Suhrhoff
and Scholz-Böttcher, 2016; Teuten et al., 2009; H. Zhang et al., 2018a).
Additionally, lipophilic persistent organic pollutants (Frias et al., 2010;
Ogata et al., 2009; Rios et al., 2007), harmful metals (Brennecke et al.,
2016; Graca et al., 2014), or pathogens (Zettler et al., 2013) originating
from the surrounding water can sorb on the microplastic surface and
thus be transported over long distances across the globe. To monitor
the current and future hazards, it is necessary to investigate extensively
the distribution patterns of microplastic abundances on a larger spatial
scale. However, environmental samples offer a great natural matrix
diversity, which requires different extraction steps to separate
microplastic. Marine environmental sample types can be generally cat-
egorized as sedimentary, organic-rich, or aqueous matrices, which can
be obtained from the seafloor (Bergmann et al., 2017; Coppock et al.,
2017; Nuelle et al., 2014), on the beach (Lots et al., 2017; Yu et al.,
2016), from marine organisms (Karlsson et al., 2017; Sun et al., 2017),
or the water column using plankton nets, pumps (Di Mauro et al.,
2017; Wang and Wang, 2018), or sediment traps (Ballent et al., 2016;
Reineccius et al., 2020).

The first necessary step for themicroplastic determination inmarine
samples is the removal of the sample matrix, whose preparation
method is strongly dependent on the sample type and available
resources. For samples with large amounts of sand or sediment,
performing a density separation is most effective, while a digestion
step is used to remove organic-rich interfering matrix (Karlsson et al.,
2017). In recent studies, a range of different salt solutions was utilized
for density separation, such as sodium chloride (NaCl) (Lots et al.,
2017; Tsang et al., 2017), zinc chloride (ZnCl2) (Bergmann et al., 2017;
Coppock et al., 2017), sodium iodide (NaI) (Claessens et al., 2013), po-
tassium iodide (KI) (Phuong et al., 2018), zinc bromide (ZnBr2), sodium
bromide (NaBr) (Quinn et al., 2017), calcium chloride (CaCl2) (Stolte
et al., 2015), sodium polytungstate (Käppler et al., 2016), sodium tung-
state dihydrate (Kanhai et al., 2019; Pagter et al., 2018), lithium
metatungstate (Masura et al., 2015), or potassium formate solution
(Zhang et al., 2016). Additionally, non-saline substances like canola oil
or ethanol were used for sediment removal (Crichton et al., 2017;
Herrera et al., 2018). The digestion step is often carried out with single
or combined acids such as hydrochloric acid (HCl), nitric acid (HNO3)
(Desforges et al., 2015; Van Cauwenberghe et al., 2015; Van
Cauwenberghe and Janssen, 2014), sulfuric acid (Imhof et al., 2016), so-
dium hypochlorite solution (Enders et al., 2017) or with alkaline agents

such as potassiumhydroxide (KOH) (Lin et al., 2018; Luo et al., 2019) or
sodium hydroxide (NaOH) (Bellas et al., 2016; Budimir et al., 2018).
However, the acid, as well as the alkaline digestion agents, have been
ascertained to prejudice various types of microplastic (Hurley et al.,
2018; Karami et al., 2017; Olsen et al., 2020). Therefore, oxidizing agents
such as hydrogen peroxide (H2O2) or perchloric acid (Devriese et al.,
2015) were introduced, which showed less influence on polymer
types in previous studies (Prata et al., 2019). Another new procedure
is the use of a urea solution combined with thiourea and NaOH to re-
move cellulosic-rich sample components (Olsen et al., 2020), however,
for this method, the application of the microplastic degrading NaOH is
required. A more gentle and effective plastic separation was achieved
by using enzymes (Karlsson et al., 2017), but these methods are expen-
sive, time-consuming, and require various intermediate stepswhich are
prone to be contamination sources.

Summarized, an effective and gentle sample matrix removal, espe-
cially for organic-rich sediment samples, is complex and can lead to an-
alyte losses or sample contamination due to the diverse intermediary
steps and chemicals (Dehaut et al., 2019). In addition, for some institu-
tions, the high financial and time investment for an effective and gentle
separationmethod is not affordable, leading to the utilization of simpler
and less precise methods instead (Strady et al., 2020). However, using
such a variety of different separation microplastic methods impeded
the result comparisons between different field studies (Dehaut et al.,
2019). An effective and inexpensive method to remove inorganic and
natural organic particles in combinationwith themicroplastic detection
by Nile red, Raman, or Fourier transform infrared spectroscopy (FT-IR)
would lead to higher accuracy and contributemajorly to the global com-
parability of microplastic abundances.

In this study, we present a uniform efficientmicroplastics extraction
technique by removing matrices from several mass-limited marine
sample types. Towards this aim, we compared the results of different
implemented treatment protocols with the newly developed adsorp-
tion technique and tested this method on selected natural marine sam-
ples. With this study, we provide a new effective and inexpensive
microplastic isolation method for different sample types that guaran-
tees quick and unequivocal detection.

2. Materials & methods

2.1. Matrix removal efficacy

One of the biggest challenges inmicroplastic detection is the reliable
differentiation between plastic and naturally occurring particles. Similar
looking remains of shells, zooplankton, phytoplankton, or sediments are
still present in the sample even after commonly used isolationmethods
and increase the effort for microplastic particle detection by visual or
spectral analysis methods. To minimize effort and error in microplastic
analysis, biogenic and non-biogenic components of the sample must
be removed without degrading microplastics.

To meet these requirements, the first step of this study was to
optimize the removal efficacy of digestion chemicals. For this purpose,
the effectiveness of 15 different treatment protocols was tested on a
biogenic-rich sample without microplastics. Based on the resulting
most effective procedures, the second step was to investigate the
chemical resistance of microplastic on nine different types of virgin
microplastics. In the third step, two different methods for separating
non-biogenic components of the sample were compared. The most ef-
fective and gentle combination of digestion and separation step with
the least degrading impact on microplastics was applied in the remain-
der of this study.

2.1.1. Digestion protocols for the removal of biogenic materials
To investigate the effectiveness of biogenicmatrix removal, a total of

15 different digestion protocolswere performed on a uniform, biogenic-
rich sample. The protocol with the highest digestion efficacy will
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subsequently be used for further investigation within this study. The
biogenic-rich sample used for each protocol was collected from the
wash margin on the Baltic Sea coast (Warnemünde, Germany) and

consisted predominantly of various algae, mussels, and plankton. The
biogenic material was rid of sediments, rinsed with ultrapure water,
pre-shredded in a mixer, and left to dry under the fume hood. For

Fig. 1. The general treatment procedure of the biogenic material by the 15 digestion protocols. The digestion chemicals, volumes, exposure times, and temperatures used are described for
each protocol in the framed table. After the treatment, the samples were filtrated and dried to determine the residual biogenic weight and fluorescence. HAc = acetic acid, RT = room
temperature.
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each protocol, 0.5 g of the dry biogenic material were weighed in a bea-
ker in triplicates and covered with aluminum foil between the process-
ing steps.

The following paragraph gives an overview of the 15 conducted ex-
periments for the digestion of the biogenic material, summarized in the
protocols listed in Fig. 1. The protocols 1 through 4 were conducted ac-
cording to published methods (Avio et al., 2015; Dehaut et al., 2016;
Hurley et al., 2018; Karami et al., 2017; Tagg et al., 2017). The authors
utilized effective and gentle digestion agents to dissolve biogenic mate-
rial, such as H2O2 (30%), Fenton reagent, and KOH. The Fenton reagent
in the current study was prepared according to the instructions of
Bergmann et al. (2017) by mixing acid, ultrapure water, and ferrous
sulfate heptahydrate (VWR International, Germany), with H2O2 (30%
for synthesis, Merck KGaA, Germany) in a 1:2 ratio. The acid used for
Fenton acidification varies between protocol 2 acetic acid (96%, VWR
International, Germany) and protocol 3 HCl (32%, Merck KGaA,
Germany) (Fig. 1). For the first four protocols, the digestion agents
were added to the biogenic material and allowed to react at 50 °C for
24 h. The samples, to which KOH (224 g L−1, KOH pellets from
Labsolute, Germany) was added, were treated for additional 24 h due
to the low material removal after the first 24 h. Protocols 5 and 6 were
conducted to compare the biogenic removal efficacy between the
H2O2 and the Fenton reagent at a reduced chemical exposure time of
7 h. Themore effective oxidizing agent H2O2was used for the remaining
protocols. For protocols 7–10, a combination of three different
chemicals was applied. Before adding the oxidizing H2O2, acetic acid
(24%) was added to the four protocols 7–10 as a weak, gentle acid and
was allowed to react for 2 h at room temperature to dissolve calcareous
materials. Further, the fat dissolving agent's ethanol (96%, Merck KGaA,
Germany) (protocol 7), detergent (Fit GmbH, Germany) (protocol 8),
SDS (5 g L−1, salt fromMerck KGaA, Germany) (protocol 9), and ammo-
nia (NH3, 25%, Otto Fischar GmbH & Co. KG, Germany) (protocol 10)
were added to support the subsequent reaction of the lipophobic
H2O2. The batch-specific volumes, exposure time, and reaction temper-
ature used for protocols 7–10 are listed in Fig. 1. The most effective
method of these four protocols is further applied in protocols 11 and
12. Protocol 11 was conducted with an inverse chemical sequence to
protocol 10 to investigate the effect of different treatment sequences.
In protocol 12, instead of iron ions or high temperatures, samples
were illuminated with ultraviolet radiation (UV) for H2O2 activation.
In the presence of UV radiation, free hydroxyl radicals ofH2O2were gen-
erated, increasing the reactive state of the solution,which is classified as
the most reactive oxidant in the water treatment (Koivunen and
Heinonen-Tanski, 2005). The treatment procedure remains as in proto-
col 11, with 5 mL of H2O2 added to the sample and illuminated for 24 h
under UV radiation. After radiation, 5 mL of acetic acid and 5mL ammo-
nia were added for 2 and 3 h reaction time, respectively. The entire
treatment procedure is carried out at room temperature.

Protocols 13, 14, and 15 were performed to examine the removal of
poorly soluble cellulose fractions that remained after the sample treat-
ment of protocols 1–12. In the first step, 5 mL of H2O2 were added to
the samples, which was panned at 10–15 min intervals during the
first 4 h of the total 24 h exposure time to maintain contact of the sam-
ples with the oxidant. Then 5 mL of acetic acid was added and allowed
to react for 2 h at room temperature. The samples of protocol 13 were
prepared without a cellulose solving agent for comparison purposes,
while the samples of protocol 14 were further treated with a saturated
urea solution and the samples of protocol 15 with a Schweizer reagent.
The usage of ureawas previously reported byOlsen et al. (2020) in com-
bination with thiourea and NaOH to dissolve cellulosic compartments.
Instead of this combination used by the authors, 10 mL of a saturated
urea solution (Sigma Aldrich, Germany) were added to the samples
and stored at−20 °C to allow crystallization. After 40 min, the sample
was warmed to room temperature and allowed to react for additional
24 h. For protocol 15, the Schweizer regent was applied to dissolve cel-
lulosic fractions instead of urea. Due to strong reactions of the copper

solutionwith H2O2 from the previous step, the pre-treated biogenicma-
terial was filtered and rinsed with ultrapure water before proceeding.
The filtrated solid phase was transferred to another glass container
and treated with 5 mL of the Schweizer reagent. After 2 h of exposure
time, the Schweizer reagent solution was filtered again, reusing the fil-
ters from the previous step to avoid loss of material. The loaded filters
were rinsed firstly with ammonia (25%) until colorlessness and sec-
ondly with ultrapure water before drying. The Schweizer reagent was
prepared from a copper (II) sulfate pentahydrate granule (Sigma-Al-
drich, Germany), a detailed description of the preparation procedure
can be found in the supplement materials (protocol S1).

After applying the treatment, protocols the resulting samples were
filtered, using a glass microfiber filter (Whatman™; 47 mm diameter;
0.7 μm pore size; CatNo. 1825–047) and a vacuum filtration device.
The obtained filterswere dried at 50 °C for 24 h andweighedwith a pre-
cision balance (ABT 120-5DM/Kern) after cooling the filter down to de-
termine the weight removal.

In addition to theweight determinations, the efficiency of matrix re-
moval was examined by staining the sample residues with Nile red,
which has been used in previous studies to stain and detectmicroplastic
particles (Erni-Cassola et al., 2017; Shim et al., 2016; Tamminga, 2017).
Due to the lipophilicity of plastic, the solved dye Nile red adheres to the
particle surface, causing it to fluoresce at specific extinction wave-
lengths (Erni-Cassola et al., 2017). Besides microplastic, some natural
lipids were also stained and fluoresced in the same wavelength range,
which significantly limited the unambiguous identification of the
microplastic particles (Araujo et al., 2018). In this study, Nile red was
utilized as an indicator for these natural materials to detect disturbing
residues. The fewer particles fluoresce, themore effective the treatment
method was and the lower the risk of confusion with potential
microplastic particles. For determination of residual fluorescence, the
obtained sample filters of each treatment protocol were stained with a
1 μg mL−1 concentrated Nile red solution (Sigma-Aldrich, Germany)
solved in methanol (99.9%, Carl Roth, Germany) according to the
instructions of Erni-Cassola et al. (2017). The dried stained filters were
examined at extinctionwavelengths of 460–525 nmunder an Axioskop
2 mot plus fluorescence microscope. The microscope from Carl Zeiss
(Germany) with 10× optical magnification is equipped with an
AxioCam 503 color camera using the AxioVision and ZEN blue software.
To compare the background fluorescence between the protocols, im-
ages of fluorescent fragment residues and images at a uniform exposure
time of 600 ms were acquired for each filter.

2.1.2. Influence of reagents on microplastic degradation
A suitable digestion step for the microplastic determination must

not only effectively eliminate biogenic material, but also be gentle to
the microplastic particles. To investigate the degree of microplastic
degradation caused by the previously used digestion chemicals,
microplastic particle size loss, and weight changes were monitored for
nine different plastic types in this section. In addition to the most
frequently detected plastic types in the environment, such as high-
density polyethylene (HDPE, density 955 kg m−3, CS Plastik GmbH,
Germany), polypropylene (PP, density 0.91 g m−3, BASF Novolen®
1101 M), polyethylene terephthalate (PET, density 1.34 g m−3, Bühler
bottle grade recycled), polystyrene (PS, density 1.05 g m−3, BASF
143 E), polyamide (PA, density 1.14 g m−3, BASF PA6 EXA® Mid) and
polyvinyl chloride (PVC, density 1.56 g m−3, WestChemie Rigid-PVC
Type 4122) (Andrady, 2011), three less frequently identified types
were used as well, such as polyoxymethylene (POM, density
1.42 g m−3, DuPont Derlin® 100), polymethylmethacrylate (PMMA,
density 1.19 g m−3, PLEXIGLAS® 7 N Degussa) and acrylonitrile butadi-
ene styrene copolymer (ABS, density 1.05 g m−3, Dow Chemical,
Magnum 3404). The acquired granules of each plastic type were
crushed separately with a mixer.

To assess the changes in particle size, approximately 10 individual
particles of each crushed plastic type were selected using tweezers,
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placed on a deepened slide, and treated with the respective chemical
listed in Table 1. Each selected particle was photographed before and
after the treatment under a microscope (Euromex, Holland with cross
table and equipped with SWIFTCAM Microscope Digital Camera
SC500, 5.1 MP). Chemicals were selected according to themost efficient
digestion protocols 13 and 15 identified in Section 2.1.1 (Fig. 1). Rather
than testing the effects of the entire protocol on microplastic degrada-
tion, the individual chemicals used in the protocols were tested for
each plastic type to identify the causative chemical. Due to the frequent
use and numerous recommendations for the application of KOH in pre-
vious studies (Dehaut et al., 2016; Kühn et al., 2017; Piarulli et al., 2019),
the changes in microplastic sizes upon KOH exposure was investigated
as well. The microplastic particles of each polymer type were exposed
to acetic acid (24%) for 2 h at room temperature, H2O2 (30%) for 24 h
and 48 h at 50 °C, ammonia (25%) for 24 h and Schweizer reagent for
2 h at room temperature, and KOH (224 g L−1) for 48 h at 50 °C. The
length andwidth of each particleweremeasured three times at selected
positions under themicroscope before and after the treatment using the
open-source program ImageJ. The size of the particles selected for
chemical treatments ranges between 32 and 974 μm (smallest width
and largest length, respectively). A microplastic particle is significantly
degraded by the chemical treatment if the reduction in length or
width is ≥5% (95% confidence interval).

For weight changes, the individual chemicals used in protocols 13
and 15were also tested on the nine crushed polymer types, but without
KOH. Approximately 100 mg of the crushed microplastic powder (size
< 2 mm) was weighed into a glass jar and treated with the chemicals

listed in Table 2 in triplicates. The first set was treated with acetic acid
(for 2 h at room temperature), for the second set a combination of acetic
acid (for 2 h at room temperature) and H2O2 (for 24 h at 50 °C) was
added, and in the third set, the Schweizer reagent was applied (for 2 h
at room temperature). Treated microplastic powders were filtered and
rinsed with ultrapure water and in the case of the Schweizer reagent
treatment rinsed with ammonia (25%) and ultrapure water instead.
The obtained filters were dried and weighed after cooling down. Since
some material can be lost during filtration even without treatment,
the weight loss caused by filtration alone was also determined in tripli-
cates for eachmicroplastic type. To detect the filtration error, 100mg of
each microplastic type were mixed with 5 mL of ultrapure water, then
filtered, dried, andweighed. Thefiltration errorwas corrected by adding
the mean percentage filtration weight loss to the mean percentage
weight recovery of the respective microplastic type. The weight loss of
the microplastic due to the chemical treatment becomes significant at
≥5% (95% confidence interval).

To evaluate the potential effects induced by the chemical treatments
on theRaman spectra of the polymers, all treatedmicroplastic types, ex-
cept for PA, were measured before and after the treatment. Due to the
black color of PA, Raman measurements were not possible. The Raman
measurements were performed using a LabRAM HR 800 Horiba Jobin
YVON Raman spectrometer equipped with an Olympus BX41 micro-
scope with variable lenses. The microplastic particles were focused
and scanned with a red excitation laser (633 nm, 17 mW, air-cooled
HeNe laser) at a 50× magnification, 10 s integration time, and 10 accu-
mulation scans at a wavenumber range of 50–3800 cm−1. The Raman

Table 2
Comparison of sampling procedure, microplastic detectionmethod, and resultingmicroplastic abundances for this studywith similar previous studies. Results ofmicroplastic abundances
in sediments and water column samples are given in items per 10 g d.w. and items per m3, respectively.

Location Abundance [items
(10 g d.w.)
−1]; [items m−3]

Sampling procedure Water depth
[m]

Size range
[μm]

Digestion
agent

Density
solution

Identification Reference

Sediments
Hong Kong, China 0.49–2.79 Ekman dredge n.g. 10–5000 H2O2 NaCl FTIR Tsang et al. (2017)
Vietnam, Southeast Asia 15.42–20.24 PVC tube corer 0.5–5.2 250–5000 H2O2 NaCl FTIR Strady et al.

(2020)
South China Sea 0–9 Multi corer 37–3695 ≥10 H2O2 +

HAc
– Raman This study

Pearl River, China 0.80–95.97 Van Veen grab n.g. 20–5000 KOH NaCl FTIR Lin et al. (2018)
Changjiang Estuary, China 0.20–3.40 Box corer 0–36 47–5000 H2O2 NaCl FTIR Peng et al. (2017)
Yellow Sea and East China
Sea, China

0.60–2.40 Box corer 45–80 60–5000 H2O2 NaI FTIR Zhang et al.
(2019a)

Bohai Sea and Yellow Sea,
China

0.72–1.72 Box sampler 12–78 60–5000 H2O2 NaCl FTIR Zhao et al. (2018)

Bay of Brest, France 0–0.09 Van Veen grab 0–50 87–5000 – NaCl +
ST

Raman Frère et al. (2017)

Japan, Thailand, Malaysia,
South Africa

1.00–19.00 Gravity corer 2–25 300–5000 H2O2 NaI FTIR Matsuguma et al.
(2017)

Arctic deep sea 0.42–65.95 Multi corer 250–5500 <11–5000 Fenton ZnCl2 FTIR Bergmann et al.
(2017)

Arctic Ocean 0–2.00 Gravity and Piston corers 855–4353 ≥100 – ST FTIR Kanhai et al.
(2019)

Water column samples
South China Sea
South China Sea

0–0.33
301–7467

Bongo net (333 μm)
pumping system (44 μm)

0–200
surface

20–5000
20–5000

H2O2

H2O2

NaCl
NaCl

FTIR
FTIR

Cai et al. (2018)
Cai et al. (2018)

South China Sea 0.148–0.842 Neuston net (160 μm) surface ≤5000 – – FTIR Wang et al. (2019)
Hong Kong, China 0.51–279 Plankton net (153 μm) surface 10–5000 – NaCl FTIR Tsang et al. (2017)
Xisha Islands, China 200–45,200 Niskin and Plexiglas sampler 1–40 7–4856 – – FTIR Ding et al. (2019)
South China Sea 17–25 Plankton, Multi closing net

(500, 100 μm)
0–100 ≥10 H2O2 +

HAc
– Raman This study

Pearl River, China 379–7924 5 l water sampler surface 20–5000 H2O2 NaCl FTIR Lin et al. (2018)
Northeast Pacific Ocean 0.004–0.190 Neuston, Manta, Bongo net

(505 μm)
0–212 ≥500 v.s. – FTIR Doyle et al. (2011)

Atlantic Ocean 13–501 Seawater intake 0–250 10–5000 SDS – Raman Enders et al.
(2015)

California Monterey Bay 2900–15,000 Remotely operated vehicle
(ROV) device

5–1000 100–5000 v.s. – Raman Choy et al. (2019)

Marine Trench 2060–13,510 CTD system 2500–11,000 20–5000 Fenton – Raman Peng et al. (2018)

v.s. = visually selected, n.g. = not given within reference, ST = sodium tungstate, HAc = acetic acid.
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system was operated by the NGS LabSpec software and the obtained
spectra were smoothed, baseline corrected, and assigned using
KnowItAll Information System 2020 software equipped with spectra li-
brary (WILEY). The polymer spectra were compared by their mutual
matching and recovery in the Raman spectra library.

2.1.3. Microplastic recovery rates for two different separation techniques
The protocols 1–15 described in Section 2.1.1were developed for the

elimination of natural biogenic constituents. For samples with high bio-
genic and sediment contents, a combination of biogenicmatrix removal
and a density separation is commonly applied. However, the combina-
tion can be complex and the intermediate steps difficult to implement
without losses or contamination. In this section, a new combinable
method with few intermediate steps for the microplastic isolation is
introduced. This new approach is based on microplastic adsorption on
lipophilic surface and was called adsorption separation in this study.
To validate this new adsorption separation technique, the recovery
rates were determined and compared with an effective high-density
separation solution. Sodium tungstate dihydrate (Na2WO4 · 2H2O)
was chosen to prepare a density solution due to its comparatively low
toxicity and high density of 1.6 g cm−3 in a saturated state, which covers
most of the commonly occurring polymer types (Kanhai et al., 2019;
Pagter et al., 2018). In both methods, approximately 100 particles each
of the virgin reference microplastics PE (average particle diameter of
454 μm), PP (501 μm), PS (514 μm), PA (592 μm), PVC (683 μm), PET
(749 μm), and PMMA (548 μm) were selected and used to determine
the recovery rate in triplicates. The particle diameter given is the aver-
age particle diameter measured fivefold for all particles applied. To con-
sider possible influences of plastic aging or biofilms on the adsorption
properties and associated recovery rates, six different beached and
biofouled plastic items from the Baltic Sea beach (Warnemünde,
Germany) were also used for the adsorption separation technique (pic-
tures of collected plastics are given in Fig. S1). To identify the polymer
type of the collected beached plastic litter, small fractionswere analyzed
usingRaman spectroscopy (usedmeasurement settings are described in
Section 2.1.2). To determine the recovery rate for the beached plastics,
the plastic items were cut into smaller particles to obtain similar size
ranges to the virgin plastic types and were further treated as described
above for the virgin microplastic particles. The selected beached plastic
items were a yellow cap (PP, diameter of 560 μm), a blue rope (colored
PP, 420 μm), sticky transparent tape (PP, 820 μm), a piece of a dog toy
(PE, 650 μm), a silver foil (PP, 1060 μm), and a transparent foil (PP,
1400 μm).

For the adsorption separation, a syringe cascade consisting of three
syringes (30 mL, Terumo, Japan) was prepared. To obtain uniform sur-
face lipophilicity, the syringes were coated with lubricating oil (Ernst
GmbH & Co. KG, Germany) composed of light naphtha (25–50%), pro-
pane (20–25%), butane (12.5–20%), and isobutane (12.5–20%) and
rinsed with ultrapure water to remove excess oil residues before use.
For the recovery rates of the adsorption separation, the counted parti-
cles of virgin and beached microplastics were mixed with 20 mL ultra-
pure water and poured into the cascade in three repetitions. The triple
repetition and the use of three consecutive syringes increase the contact
possibilities between particles and the lipophilic syringe surface to en-
sure a maximum adsorption of microplastic particles. After the adsorp-
tion, the individual syringes from the cascade were rinsed with
ultrapure water to remove non-adsorbed particles. To recover the
adsorbed microplastic particles, each syringe was infused three times
with a 50 °C detergent solution. The obtained solutions containing the
desorbed microplastic particles were filtered on a glass microfiber filter
(Whatman™; diameter 25mm; pore size 0.7 μm;CatNo. 1825-025) and
finally analyzed under the microscope by counting the recovered
microplastic particles.

For the density separation, the counted particles were transferred to
a density separator consisting of a 250 mL threaded glass flask, a brass
ball valve (1/2″), and a threaded glass tube as an extension (see pictures

in Fig. S2). All parts were attachedwith Teflon adapters (a plastic which
is not considered in the analyses due to its high density). The saturated
sodium tungstate solution (1.6 g cm−3, salt from Merck KGaA,
Germany) was filled up to half of the upper glass tube and covered
with aluminum foil. The solution was stirred for 1 h and then allowed
to stand for 24 h to allow particles to float to the surface. Subsequently,
the valve was closed and unscrewed from the device to filter the con-
tents on a glass microfiber filter. All recovered particles were counted
under the microscope and compared with the initially added particle
counts to determine the recovery rates.

The adsorption separation technique offers many advantages com-
pared to density separation. For the adsorption separation, large
amounts of chemicals or long sediment settling times are not required.
Moreover, with the density solution solely heavier particles were sepa-
rated, while the use of the adsorption separation guaranteed the re-
moval of non-lipophilic particles, which corresponds to the majority of
environmental matrix. Due to these benefits, the adsorption separation
was tested on biogenic material in combination with a gentle digestion
protocol (described in Section 2.1.1). The digestion step is performed to
release microplastics embedded in biogenic material and to prevent
clogging in the syringes. In the combined adsorption separation, the
digestion step was performed previously, followed by the adsorption
separation. For the digestion step, H2O2 and acetic acid were added to
0.5 g of the biogenic material in the same manner as described for
protocol 13 (Fig. 1), but with a shortened H2O2 exposure time of 5 h.
After the sample pretreatment, the acidified peroxide solutions were
poured into the syringe cascade three times to ensure the adsorption
of lipophilic particles. Subsequently, the individual syringeswere rinsed
with ultrapure water and adsorbed particles were desorbed with the
detergent solution as described above for the microplastic recovery
rates. After filtration of the obtained solution, the residual weight and
fluorescence of the desorbed material were analyzed as described for
the protocols given in Fig. 1.

2.2. Field samples

2.2.1. Sampling site and sampling procedure
To examine the applicability of the new adsorption separation tech-

nique on natural samples, eight different sediment samples and two
plankton net samples were selected from the South China Sea (SCS).
The samples were retrieved during the Sonne cruise 269 (SO269) of
the German research vessel SONNE 2019 in the framework of the
Sino-German project MEGAPOL. The research area in the northern SCS
extends in the north-south orientation from the Pearl River estuary
near Hong Kong to the deep SCS and is located between Taiwan and
Hainan in the east-west orientation (Fig. 2). Samples were collected
along a survey perpendicular to the coast of China, which runs along
the Pearl River delta crossing the continental slope into the deep SCS.

The study area is influenced by seasonally and inter-annually
varying physical forces which affect the transport of the Pearl River
freshwater plume. The Pearl River is characterized by its large water
volume transport into the SCS and the enormous population density
around the river delta with a catchment area of more than 450,000
km2. Under this condition, the SCS as a focal point in land-ocean interac-
tion offers a unique opportunity to understand how anthropogenic
stress acts on the marine environment. Microplastic is one of the
major anthropogenic pollutants entering themarine environment espe-
cially via rivers (Eerkes-Medrano et al., 2015; Hoellein et al., 2019),
making the SCS an excellent study site for microplastic pollution.

For the microplastic investigations, samples taken by a Multi-core
vessel and by two different plankton nets were used. Multi-corer was
equipped with eight Plexiglas (PMMA) core pipes each with 60 cm
height and an inner diameter of 10 cm. The cores applied for
microplastic analysis were immediately sliced and stored in PE tubes
at 4 °C in the dark on board. In the lab, theywere freeze-dried for several
days at−60 °C and 50mbar. About 10 g of the upper 3 cm of each core
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were taken and stored in a glass vial covered with aluminum foil until
analysis. The plankton net samples were taken with a Multi-closing
net at station SCS 29 and an Apstein plankton net at station SCS 36.
The HYDRO-BIOS Multi-closing net (type MPS Midi Combi, built in
2018) with a mesh size of 100 μm and a square opening of 50 × 50 cm
were vertically hauled at 0.5 m s−1 from 50 m water depth to the sea
surface. The Apstein plankton net with a mesh size of 500 μm and
a ring diameter of 50 cm were also vertically hauled from 100 m
to the sea surface at 0.1 m s−1 (50 m - surface) or 0.2 m s−1

(100–50 m) heave speed. The obtained samples were filled untreated
in PE sample bottles and immediately frozen at−20 °C. In the home lab-
oratory at IOW, the samples were defrosted, split into two aliquots,
freeze-dried, and stored in glass vials covered with aluminum foil.

2.2.2. Microplastic extraction and identification
The collected sediment and net samples with different matrices

were separated using the combined adsorption separation technique.
A schematic representation of the entire procedure applied including
sampling, treatment, adsorption separation, and analysis is illustrated
in Fig. 3. For both sample types, pretreatment was performed by adding
20 mL H2O2 (30%) to the 10 g sediment sample and the bisected net
sample into a beaker. For the reaction, the sample was covered with
aluminum foil and incubated for 5 h at 50 °C. After the exposure time,
20 mL acetic acid (24%) were added and allowed to react for 2 h at
room temperature. For the sediment samples, oversized particles pro-
voking clogging were eliminated by a stainless-steel sieve with 1 mm
mesh-size, which was then separately examined for plastic particles
(≥1 mm) using a SteREO Discovery.V8 stereomicroscope (Carl Zeiss,
Germany). The smaller size fraction (<1 mm) and the net samples
were passed through the syringe cascade in triple repetition. Each
loaded syringe was rinsed with approximately 30 mL ultrapure water
to remove the non-adsorbed sample matrix. The detachment of
adsorbed microplastic particles was performed with warm detergent
solution as described in Section 2.1.3. The obtained solution with
desorbed particles was filtrated using polycarbonate membrane filters
(Whatman Nuclepore track-etched Membranes; pore size: 0.4 μm; di-
ameter: 25 mm) and then rinsed with detergent solutions followed by
ultrapurewater. The loaded filter was transferred to a slide and covered
with a coverslip immediately after filtration to exclude airborne con-
tamination. For the adsorption separation technique, a maximum
weight limit of 10 g for sediment samples was set to prevent clogging,

no limit is necessary for aqueous or smaller-sized sample types. Due
to the limited sediment sample mass, all corresponding results are
reported in the sample scale used in particle numbers (items) or
micrograms (μg) per 10 g d.w. of sediment. The microplastic abun-
dances detected in net samples are reported in items per cubic meter
(items m−3) or μg per cubic meter (μg m−3) for microplastic masses.

Microplastic identification was implemented using the Raman spec-
trometer and associated software as described in Section 2.1.2, using the
same acquisition settings for all samples. The entire filters were manu-
ally scanned in transmitted light using a runningwindowmethod to en-
sure high visibility even of transparent particles. At a constant objective
magnification of 10× (window size of 0.7 × 0.9 mm), the filters were
scanned from left to right and from top to bottom using a cross table.
Suspicious particles were focused, scanned at a 50× magnification,
and photographed in each case. Themeasured particleswere confirmed
to be microplastic when the matching degree between the measured
spectra and the database polymer spectra reached>80% (also described
by Lin et al., 2018). Identified microplastic particles were classified ac-
cording to their shape into fragments, fibers, or elongated fragments.
Particle sizes and volumes were calculated as a function of their length
and width (for fibers or elongated fragments) or maximum Feret diam-
eter and particle area (for spherical or irregular shaped fragments). The
adoption of the Feret diameter as the particle size has already been de-
scribed by Imhof et al. (2016) and Anger et al. (2019). For the volume
calculations, an ellipsoidal shape was assumed for fragments and a cy-
lindrical shape for elongated fragments or fibers. Using the measured
length (maximum axis) and area of the elliptical fragments, the best
fit for the width (minimum axis) was determined to calculate an ellip-
soidal volume described by Kumar et al. (2010). Finally, using the deter-
mined volume and mean polymer type-dependent density (densities
were taken fromHidalgo-Ruz et al. (2012))), the plasticmasswas calcu-
lated and expressed in μg per 10 g d.w. for sediment and in μg perm3 for
net samples in this study. Orienting by Feret diameter or fibrous lengths,
this method sets the lower detection limit at a size of 10 μm. Accord-
ingly, all measured microplastic particle sizes were assigned in a size
range from 10 μm to 1 mm in 10 μm steps.

2.2.3. Contamination control and blank correction
To avoid contamination during the processing, the samples were

covered with aluminum foil during and between all steps. All instru-
ments and glasses utilized for the sample separation and storage were

Fig. 2. Sampling stations formicroplastic analysis in the South China Sea. The filled triangles symbolize the sediment sampling stations, and the empty triangles indicate the location of the
plankton net sampling stations. The Apstein plankton net sample was collected at station SCS 36 and the Multi-closing net sample was collected at station SCS 29.
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rinsed with prefiltered ultrapure water immediately before use. During
the entire working time for the sample treatment procedure, only one
person worked in the laboratory, wearing a white cotton lab coat and
gloves. All steps in which the sample was briefly in contact with the
air were performed under the fume cupboard which was wiped damp
with paper towels before and between all steps. Furthermore, all solu-
tions used were filtered (polycarbonate membrane filter with 0.4 μm
pore size) and stored in glass bottles until use.

In addition to the contamination prevention, blanks were prepared
in all steps and treated at the same time and in the same manner as

the samples to account for possible contamination. The blank samples
were prepared without a sample matrix, instead, both digestion
chemicals were filled into an empty beaker and further processed as
described in Section 2.2.2. If microplastic particles were found on the
blank filters, these particles were also determined in their size and
mass as described for the sample particles. Finally, the calculated
microplastic numbers andmasses were corrected by subtracting the re-
spective blankmicroplastic numbers andmasses. In addition, the plastic
types used in sampling (PA for net sampling and PMMA for sediment
sampling) were excluded from the presented results.

Fig. 3. Scheme of the entire applied process of microplastics detection in marine environmental samples. The method is divided into four steps starting with sample collection by Multi-
corer, Multi-closing net, or Apstein plankton net. In the second step, wet samples are freeze-dried and digested by adding H2O2 and acetic acid (treatment step). In the separation step, the
samples are filled three times into the syringe cascade to allow potential microplastics to adsorb on the surface of the syringes. Sediments and biogenic residues are rinsed out with pre-
filtered ultrapure water. Potential adsorbedmicroplastic particles were desorbed with a warm detergent solution and then filtered. Finally, filters are analyzed by Raman spectroscopy in
the last analytical step.
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3. Results

3.1. Biogenic matrix removal efficacy

The percentage mass removal efficacies of the biogenic-rich sample
achieved for protocols 1–15 ranged from 45.0 ± 14.1% to 92.7 ± 0.2%.
The highest effectivitieswere observed in the protocols inwhich several
chemicals were used (7–15), while the application of single chemicals
such as KOH (protocol 4) exhibited the lowest matrix removal
(Fig. 4a). With the different Fenton reagents used in protocol 2 (Fenton
acidified with HCl) and 3 (Fenton acidified with acetic acid) a percent-
age removal of 65.6± 1.9% and 73.8± 2.1%, respectively, was achieved.
These results demonstrate that replacing a strong acid with a weak acid
for the Fenton pH adjustment enables even a higher removal efficacy
and prevents the chemical decomposition of plastic to be analyzed.
Fenton has been used in several studies as amore efficient andgentle di-
gestion agent compared toH2O2 due to the presence of iron as a catalyst
(Bergmann et al., 2017; Hurley et al., 2018; Tagg et al., 2017). However,
the comparison of the efficacies between H2O2 applied in protocol 1 and
the Fenton reagents used in protocols 2 and 3, indicates no expected in-
crease in the efficacy (Fig. 4a). To further investigate these initial results
of efficacies, the exposure time of bothH2O2 and the Fenton reagentwas
shortened for the following protocols 5 and 6, respectively. The evalua-
tion after 7 h exposure time revealed an even lower removal efficiency
of 52.1± 7.7% for the Fenton reagent, compared to themass removal of
64.0 ± 0.3% achieved with H2O2. Supported by observations during the
exposure time it can be assumed that natural iron contents of the sam-
ples in combination with the iron originating from the Fenton reagent

cause poorly soluble precipitation, which affected the sample weight
after digestion. Accordingly,whenusing Fenton regent, thenatural sam-
ple iron content must be considered and adjusted for each sample type.
In this study, H2O2 was chosen instead of Fenton reagent for the further
process of the digestion protocols to ensure a uniform method for each
sample type. In addition, acetic acid continues to be used, as it is a gentle
option to dissolve large amounts of calcareous shell material that is not
removed by H2O2. Besides H2O2 and acetic acid, solutions such as etha-
nol (protocol 7), detergent (protocol 8), SDS (protocol 9), and ammonia
(protocol 10) were used to pre-dissolve biogenic lipids. The use of am-
monia proved to be the most effective combination with H2O2 and
acetic acid with a removal efficacy of 87.0 ± 1.2% (protocol 10), com-
pared to all previously implementedprotocols. As demonstrated bypro-
tocol 11, the sequence of the chemical application is not a factor
influencing the removal efficiencies, as no significant differences were
detected in the resulting digestion efficacies for protocol 11 (87.3 ±
0.6%) compared to the opposite sequence used in protocol 10 (Fig. 4).
In the following protocol 12, another method of activating H2O2 by ex-
posure to UV radiation instead of high temperatures or iron catalyst
was investigated, but no increased matrix reduction efficiency (73.7 ±
0.6%)was observed compared to the same treatment previously applied
in protocol 11 with a temperature activation. Based on the observation
in protocol 12, temperature activation at 50 °C forH2O2 continued to use
for the following protocols 13–16. In protocols 13–15, the application of
cellulose dissolving substances and panning of the sample were intro-
duced to the matrix removal experiments. The combination of panning
and the exposure of H2O2 and acetic acid applied in protocol 13
achieved a matrix reduction of 91.5 ± 0.8%. The addition of saturated

Fig. 4. (a) Resulting percentage digestion efficacies for the investigated digestion protocols 1–15 and the combined adsorption separation technique. The black box frames the four most
effective protocols whose microscopic images are illustrated in (b). The top four images show the respective light microscopic images of protocol 13, 14, 15, and the combined adsorption
separation (protocol numbers or designation are given in parenthesis). Visible cellulosic residues are framed in black boxes. The lower images demonstrate the related fluorescence
micrographs after staining with Nile red at wavelengths of 460–525 nm and a uniform exposure time of 600 ms.
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urea solution to dissolve poorly soluble cellulose fractions used in
protocol 14 reached no further improvement of the removal efficiency
(91.2 ± 0.9%), as illustrated in microscope images in Fig. 4b. Both the
light microscope image and the fluorescence microscope image of the
filter obtained after the treatment with protocol 14 show remnants of
cellulose-containing fragments. These fragments are remnants of algae
orwood andmust be removedwhen using the Nile red stainingmethod
for microplastic detection to avoid confusion with similar looking frag-
ments. Contrary to this, using the Schweizer reagent in protocol 15 to
reduce cellulose-containing substances resulted in slightly higher ma-
trix removal efficiencies of 92.7 ± 0.2%, and solely non-fluorescent par-
ticles remained after the treatment (Fig. 4b). These observations were
supported by an effectiveness test of the saturated urea solution and
the Schweizer reagent with printing paper (details of the performance
are given in supplementmaterials protocol S2).While the Schweizer re-
agent dissolved 65.9 ± 1.6% of the used printing paperweight after 1–2
h exposure time, the urea solution reduced the weight only by 1.1 ±
1.6% after 24 h. Although urea disentangles the paper structure into
fine fibers, it does not dissolve them until a liquid state.

3.2. Influence of reagents on microplastic degradation

The resulting percentage recoveries of microplastic weight and size
after the chemical treatment are listed in Table 1. Significant changes
in the microplastic particle sizes or discolorations were observed after
the treatment with H2O2 at long exposure times (≥24 h) for PA and
after 48 h KOH exposure time for PET, PVC, and slightly for POM at 50
°C, respectively. Treatment with KOH destroyed all five PET particles
tested, two of five PVC particles lost in sizewith each PVC particle tested
exhibiting discoloration, and one of five POM particles lost in size as
well. Due to the severe particle degradation induced by KOH (Table 1)
and the least efficacy in reducing the biogenic matrix (Fig. 4), KOH
was not investigated further and was discarded for further treatment
methods. Further size reductions were recognized for PA after 24 and
48 h of H2O2 exposure time, but contrary to expectations, no significant
weight loss was observed after the combined treatment of acetic acid

(2 h at room temperature) and H2O2 (24 h at 50 °C) (Table 1). This ob-
servation indicates that the particle decomposition and modification in
the appearance of PA are attributable to particle melting or fractioning,
resulting in still filterable particle sizeswithout weight losses. Instead of
PA, PVC was reduced in weight due to the treatment with acetic acid to
89.9 ± 1.2%, while the size recovery of PVC indicates no significant
changes (101.1 ± 2.9%). Considering the calcium additive added during
the PVCmanufacturing for reinforcement, theweight loss of PVC caused
by the acid treatment can be explained by the increased calcium solubil-
ity with decreasing pH (pH 2 for a 24% acetic acid solution). This as-
sumption is supported by Raman measurements of treated and
untreated PVC particles illustrated in Fig. 5. The characteristic peak in-
tensities of calcium carbonate at 1085 cm−1, 711 cm−1, 281 cm−1,
and 154 cm−1, decrease or disappear in the Raman spectra for the
treated PVC particle, while typical PVC signals remain present. Despite
these changes in calcium carbonate peaks, a comparison of both PVC
spectra before and after the treatment still showed a mutual matching
of 97%, signifying that the polymer remains intact and measurable. All
further measured Raman polymer spectra of PE, PP, PET, PS, POM,
PMMA, and ABS remain unchanged after the treatment, with a
matching degree >93%. For all remaining chemicals tested, no signifi-
cant detectable effects on the weight or size recovery of the polymer
types were detected (listed in Table 1).

3.3. Microplastic recovery rates for two different separation techniques

The comparison of the investigated density separation with the ad-
sorption separation revealed similarly high recovery rates for both tech-
niques (Table 1). All recovery rates of microplastic particle numbers
determined after the density and adsorption separation are listed in
Table 1. With the density separationmethod, an average particle recov-
ery rate of 98.1 ± 2.1% was achieved, with the lowest recovery for PVC
particles at 93.2 ± 4.6%. Despite the same density of the PVC polymer
used and the sodium tungstate solution of 1.6 g cm−3, a few particles
remained on the vessel bottom. A further reason for a particle recovery
rate below 100% especially for PE and PP is the sticking of some fine

Fig. 5. Comparison of three different Raman spectra: (a) the spectrum of polyvinyl chloride reference material before chemical treatment, (b) calcium carbonate reference spectrum
obtained from Raman spectra library, (c) polyvinyl chloride spectrum after the treatment with acetic acid, H2O2, and Schweizer reagent.
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particles on the vessel wall not rising to the solutions´ surface despite
stirring for 1 h and a resting time of 24 h. For the adsorption separation,
the lipophilic property of the plastic particles was exploited instead of
the density to separate microplastic particles from the surrounding
sample matrix. Applying this new adsorption separation technique, an
average particle recovery rate of 98.0 ± 3.8% was achieved, with equal
or a higher recovery rates for each polymer type tested compared to
the density separation method, except for PA (88.7 ± 8.6%). In contrast
to the other polymer types used, PA absorbed high water amounts
(Abts, 2016), which is associated with higher hydrophilicity, lower
lipophilicity, and consequently attenuated adsorption strength. Because
increased hydrophilicity was also observed for biofouled or degraded
particles (Sudhakar et al., 2008; Tu et al., 2020), beached and aged
microplastic particles and films were tested for the adsorption separa-
tion as well. The selected beached plastic items, consisting of PE and
PP, represent the most commonly detected polymer types in the
environment (Hidalgo-Ruz et al., 2012). The resulting average particle
recovery rate for the tested aged and biofouled microplastic items
(98.6 ± 2.1%) using the adsorption separation is in the same range as
these for the virgin polymer types and the density separation method.
These results demonstrate that the new adsorption separation tech-
nique achieves similar microplastic particle recoveries compared to
one of the most effective density separation methods, providing an

option to isolate microplastic particles from different sample matrices
in an easier way. Based on these findings, this adsorption separation
was combined with a gentle digestion step to reduce sample material
for a trouble-free flow through the syringes and to release possible
microplastic particles embedded in biogenic material. For this purpose,
an exposure time of 5 h for H2O2 and 2 h for acetic acid, is already suffi-
cient for the entire chemical treatment. With this final applied com-
bined adsorption separation technique, the highest matrix removal
efficiency of 96.3 ± 0.3% and a fluorescence-free filter compared to
any previously performed digestion protocol was achieved (Fig. 4a, b).
Due to these methodological advantages of shorter waiting times, gen-
tle chemical treatment, and high recovery rates, the combined adsorp-
tion separation method is selected to analyze natural environmental
samples for their microplastic content.

3.4. Field samples

Microplastic particles were detected in all analyzed net and sedi-
ment samples collected from 10 sampling sites in the South China Sea
applying the combined adsorption separation method, except for one
sediment sample (Fig. 6). On blank filters, reflecting the contamination
during the sample preparation, a maximum of onemicroplastic particle
per filter was found, involving one PET fiber or one PE fragment. In

Fig. 6. Abundances, masses, and characteristics of microplastic particles detected in field samples: (a) calculated microplastic mass (left) and respective item number of microplastic
particles (right) for the sediments (items or mass per 10 g sediment d.w.) and net samples (items or mass per cubic meter); (b) percentages of polymer types (left) and microplastic
shapes (right) for each sampling station; (c) size distribution of all particles identified as microplastic in the field samples in 10 μm steps.
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addition, no evidence of contamination was detected during sampling,
as no sediment sample contained PMMA (applied for sediment
sampling) and no PA (applied for net sampling) was found in the net
samples. This results in a blank-corrected number of 0–9 identified
microplastic items in 10 g sediment sample mass with a mean number
of 3.4 items (10 g d.w.)−1 per sample (Fig. 6a). No microplastics were
identified at station SCS 41, which has the greatest distance to land
and the Pearl River estuary (Fig. 2). The highest number ofmicroplastics
was found at the middle part of the transect at station SCS 34 with 9
items per 10 g d.w. sediment. Further towards the river estuary, at sta-
tions SCS 29 and SCS 68, the amount decreased to 2 microplastic items
(10 g d.w.)−1. As illustrated in Fig. 6a, considerably more microplastic
particles were detected in both plankton net samples. At the sampling
station SCS 36, the highest number of 249 items was counted, while at
station SCS 29, 106 microplastic items were found in the halved net
sample material. This corresponds to a blank-corrected number of 25
and 17 itemsm−3, respectively. Despite a lower number of microplastic
items found in sediments than in the net samples, the calculated
microplastic mass for the sediments (0–39 μg in10 g d.w.) was higher
than in the determined net samples (3.7–7.1 μgm−3) (Fig. 6a). This cor-
responds to ameanmass of 3.4 μg per identifiedmicroplastic item in the
sediments and 0.1 μg per item in plankton net samples, which depends
on the polymer type characteristic density and their particle sizes. The
most frequently counted representative of all microplastic particles
was PP (56.9%), which occurred in every sample with the highest pro-
portion of ≥50%, except for the net sampling station SCS 29, where PE
was the most prevalent polymer type (88.7%). The proportion of poly-
mer types for the combined counts of all samples analyzed showed
that PE predominated (25.6%), followed by PVC (14.4%), and PET
(2.1%), while POM (0.8%) and PS (0.3%) accounted for a lower propor-
tion (Fig. 6b).

The morphological characteristics of the verified microplastics were
classified as fragments (62.6%), fibers (9.7%), or elongated fragments
(27.7%). No spheres or beads were identified as microplastic (Fig. 6b).
Colored microplastic suspect particles are difficult to detect by Raman
spectroscopy (Dehaut et al., 2019) because the large pigment content
leads to a spectral overlay of dyes and polymers, or particle destruction
during measurements, leading to inconclusive outcomes. Despite the
high probability that blue or red-colored items are microplastic, they
were excluded from our results due to their low spectral validity, imply-
ing that solely unimpressive white or transparent microplastic particles
were considered. For an initial distinction between transparent plank-
tonic silicates and petrochemicalmicroplastics detectable on the sample
filter, particle shape assessments were implemented before the Raman
measurements. While silicates exhibited a smooth surface, PP and PE
particles appeared rather rough, curved, or frayed with an elongated
or fragmented surface. Detected PVC items exhibited a decomposed
and aged appearance with a rough surface and occurred exclusively in
fragmented form. PET occurs exclusively as fibrous microplastic items
and was found less frequently in the samples examined, with a propor-
tion of 2.1% (Fig. 6b).

All microplastic items identified in the sediment and net samples
examined were identified in the small size fraction of <1 mm. The
size distribution of the identified microplastic items <1mm, illustrated
in Fig. 6c, indicates that mainly items <200 μm were found (92.7%).
Although 93.0% of all detected microplastic items were collected using
nets with mesh sizes of 100 and 500 μm, the percentage of detected
microplastics in the size range of 10–80 μmwas 68.8%, with amaximum
percentage of 40–50 μm (13.8%), followed by 30–40 μm (11.2%).

4. Discussion

4.1. Matrix removal

To our knowledge, this newly presented adsorption separation tech-
nique formicroplastic isolation fromenvironmental samples has not yet

been validated or applied. The objective was to develop a gentle
microplastic separation method for matrix-rich but mass-limited sam-
ples with maximum accuracy. In addition, this method aims to provide
an easy and quick technique of separation to enablemicroplastic studies
for a wide range of scientistic institutions. In previous methods, partic-
ularly the combination of density separation with chemical digestion
was problematic. Cheap and environmentally friendly density solutions
such as NaCl (1.2 g cm−3) have been most frequently used (Filgueiras
et al., 2019; Peng et al., 2017; Reed et al., 2018; Strady et al., 2020;
Zhao et al., 2018), however, the maximum density achievable is too
low to include all relevant polymers. PVC and PET (density of approx.
1.4 g cm−3) are outside the includable density range but are both fre-
quently found microplastics in the environment (Andrady, 2011).
Other commonly used solutions such as sodium iodide, zinc chloride,
or sodium polytungstate with higher densities are hazardous or expen-
sive (Stock et al., 2019). Moreover, microplastic recovery rates from
decanting the supernatant of the high-density solution alone are still
low (Martin et al., 2017). Another challenge is to find a suitable diges-
tion method, that can be performed either before (Cai et al., 2018;
Ling et al., 2017; Matsuguma et al., 2017; Strady et al., 2020; Zhang
et al., 2019b), during (Tsang et al., 2017; Zhao et al., 2018), after
(Bergmann et al., 2017; Zhu et al., 2018) orwithout a density separation
step (Luo et al., 2019; Peng et al., 2018; Zhang et al., 2017). For the den-
sity separation, which was performed in this study for comparison pur-
poses, long settling times to remove sediments are required. In
combination with biogenic digestion steps, additional long exposure
timeswere required to remove biogenicmaterials (Fig. 4). Furthermore,
density separation is inconvenient to combine with digestion steps, di-
gestion chemicals may react with the density salt, or filtration is re-
quired between steps, resulting in losses and contamination.
Combined adsorption separation can be performed without long set-
tling or reaction times with improved biogenic matrix removal effi-
ciency (Fig. 4).

In addition to the analyte loss or contamination caused by density
separation, the digestion step entailed error sources as well. Several
chemicals applied, affect or even dissolve several polymer types (Avio
et al., 2015; Castillo et al., 2016; Cole et al., 2014; Dehaut et al., 2016;
Enders et al., 2017). Our outcomes supported chemical polymer de-
struction even for the commonly used digestion agents such as KOH
(224 g L−1) and H2O2 (30%) after exposure times of ≥24 h at 50 °C or in-
sufficient matrix removal efficacies for Fenton and KOH (Table 1). The
application of KOH destroyed PET, and size changes of PVC and POM
were observed. Changes in PETmorphology attributed to KOH exposure
were also reported by Dehaut et al. (2016). Karami et al. (2017) even re-
alized destructive effects for PVC, PET, and PA, including changes in
Raman spectra due to the H2O2 treatment. For PA, a decrease in relative
Raman peak intensity was also verified (Karami et al., 2017). However,
the polymer remains identifiable due to little impact and unchanged
peak wavelengths. Conversely, no decreased or increased Raman spec-
tra peak intensities were observed in measurements pre-or post-
digestion of PS, PE, and PP (Murray et al., 2011; Zhao et al., 2017). In
the present study, each polymer tested was identifiable after 24 h
H2O2 (30%) and 2 h acetic acid (24%) exposure, signifying that there
was no digestion-related impairment in the sample analysis accuracy
for the newly developed combined adsorption separation technique.
Moreover, for the new adsorption separation technique, no density sep-
aration is required and theH2O2 exposure time can beminimized to 5 h,
which reduces the risk of microplastic degradation.

Besides the influence on the microplastic analyte, the matrix re-
moval efficacy is of great importance for the method validation as
well. With the combined adsorption separation method, we achieved
a biogenic matrix reduction of 96.3 ± 0.3%, which is slightly higher
than 92% reached by Nuelle et al. (2014) or removal of 89% for wash
margin sand debris reached by Olsen et al. (2020) after four treatment
days. Contrary to that, our resulting effectiveness is not yet as high as
that achieved by using enzymes (Cole et al., 2014; Löder et al., 2017).
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However, using enzymes for matrix elimination is limited caused by
long treatment times (4–16 days), high costs, and an increased risk of
contamination due to many intermediate steps. Furthermore, enzy-
matic digestion steps are solely suitable for biota, and an additional den-
sity separation step is required for sediment-containing samples. A
completely different approach is the application of ethanol for density
separation introduced by Herrera et al. (2018). This method achieves
an organic-removal efficacy of 97% but needs a sediment separation
step as well and excludes some PS types. Additionally, Herrera et al.
utilized particle sizes ranging from0.5 to 16.50mmto determine the re-
covery rate having no comparable significance for microplastic particles
smaller than 0.5 mm (Avio et al., 2015; Hengstmann et al., 2018; Quinn
et al., 2017; Zhao et al., 2017). To date, fewpreviousmicroplastic studies
have used a consistent validation or detection method (Prata et al.,
2019). To compare global values and produce reliable data, either uni-
form methods or known recovery rates of the applied methods are
needed. However, even the determinationmethods for themicroplastic
recovery rates differ noticeably in particle sizes, polymer types, and par-
ticle quantities used (Castillo et al., 2016; Gewert et al., 2017; Li et al.,
2018; Tsang et al., 2017). Usually, solely the recovered number of
microplastic particles before and after the treatment is determined for
method validation (Avio et al., 2015; Herrera et al., 2018; Munno
et al., 2018; Nuelle et al., 2014), providing no information about changes
in particle sizes or shapes. Because our results showed that microplastic
particles can change significantly in size even without a mass loss
(Table 1), determining thepolymermass recovery alone after the chem-
ical treatment is not sufficient as well.

In addition to the chemical influences on particle size, weight, and
Raman spectra on various microplastic types and the verification of
themethod efficacy, the microplastic recovery rates of the new adsorp-
tion separation were compared with an effective density separation
method. The resulting similarity of both recovery rates of ≥98% indicates
the reliable applicability for the most virgin as well as aged and
biofouled polymer types for the new adsorption separation (Table 1).
However, this new technique also provides further potential for im-
provement. Firstly, a more effective adsorbent could be introduced,
since less lipophilic polymer types such as PA (recovery rate of 88.7 ±
8.6%) do not reliably adhere to the cascade surface (Table 1). Secondly,
passing large amounts of coarse material through the syringes is prob-
lematic, resulting in a limited sediment volume of no more than 10 g.
This limitation could be remedied by increase the adsorption surface,
minimize the flow rates, and larger the openings. The great potential
of this adsorption separation technique is supported by the time and
costs saving. While density separation alone requires a few minutes
up to six days (Peng et al., 2018) and gentle digestion steps can even
take up to 16 days (Löder et al., 2017), the adsorption separation can
be performed in approximately 8 h per sample set. Additionally, in
this newly presented technique, the remaining matrix was minimized
with no detectable influences on small microplastic particles at high
microplastic particle recovery rates, making subsequent visual and
spectral analysis easier and faster with higher accuracies.

4.2. Field samples

The number of microplastic items detected in the South China Sea
seafloor sediment samples in this study is in the same range as those
found by Tsang et al. (2017) on the adjacent coast, with 0.5–2.8 items
per 10 g dry weight (d.w.) (Table 2). Higher microplastic abundances
were found in Pearl River sediments with 0.8–96.0 items (10 g d.
w.)−1, which decreased to <2.9 items (10 g d.w.)−1 with shortened
sampling site distance to the South China Sea (Lin et al., 2018).
Microplastic particle deposition observed by Strady et al. (2020) in sea-
floor sediments on the coasts of Vietnam was 15.4–20.2 items per 10 g
d.w., slightly higher than those reported in this study. The abundance of
microplastic in coastal regions and rivers is strongly related to the
human population density (Browne et al., 2011; Strady et al., 2020;

Van Cauwenberghe et al., 2015), and is reflected by microplastic detec-
tions in seafloor sediments (Lin et al., 2018; Strady et al., 2020; Tsang
et al., 2017). This also applies to mangrove and beach sediments,
which are directly affected by terrestrial andmarinemicroplastic inputs
(Zhou et al., 2020a, 2020b). However, published abundances were sim-
ilar to our results, except for the higher abundances found in seafloor
sediments on the Vietnamese coast and those identified at beaches
and mangrove sediments on the Chinese coast with 0.1–57.4 items in
10 g d.w. (Strady et al., 2020; Zhou et al., 2020a). Themajority of studies
conducted in the SCS found lower than expected microplastic abun-
dances. Whether these results are caused by natural conditions or
methodological differences remains uncertain. As listed in Table 2, Lin
et al. (2018), Strady et al. (2020), and Tsang et al. (2017) used NaCl
for the sediment separation, possibly resulting in underestimation of
PVC or PET abundances (Quinn et al., 2017). Additionally, KOH was
used by Lin et al. (2018) to digest biogenic materials, which also
resulted in PET losses. Furthermore, themicroplastic size ranges consid-
ered are of great importance. In this study, mainly particles smaller than
250 μm (93.2%) were found, while Strady et al. (2020) included espe-
cially items ≥250 μm in their results. In other Chinese regions within
the Yellow Sea and the East China Sea, Zhang et al. (2019a) counted
0.6–2.4 items (10 g d.w.)−1 for a considered particle size range between
60 and 5000 μm. Even this size range would exclude 51.9% of the total
microplastic amount reported in this study. Zhao et al. (2018) used
the same size range as Zhang et al. do and saturated NaCl for the density
separation as Peng et al. (2017). In the study of Bergmann et al. (2017)
sediment samples taken from theArctic deep-seawere separatedwith a
ZnCl2 density solution and a size range of microplastics between parti-
cles smaller than 11 μm and 5000 μm were considered. This approach
considered PET and PVC microplastic particles and a similar particle
size range as in the present survey. They foundmicroplastic abundances
between 0.4 and 66.0 items (10 g d.w.)−1 at 250–5500 m water depth,
noticeable more than presented results from the South China Sea.

These comparisons show the importance of a uniform preparation
and evaluationmethod, but the samplingmethod is also of great impor-
tance, which is particularly pronounced for environmental water sam-
ples. For the microplastic detection, either bulk water samples or net
samples with various mesh sizes were used, which is directly related
to the amount of microplastic particles collected (Cai et al., 2018;
Desforges et al., 2014; Di Mauro et al., 2017; Hidalgo-Ruz et al., 2012;
Lindeque et al., 2020; Nel and Froneman, 2015). In addition to the sam-
pling instruments, sampling depths, considered particle size ranges, and
separation methods differ between previous studies, which impedes a
dependable comparison and leads to strong variable outcomes of up
to seven orders ofmagnitude (Table 2). Investigations of Pearl River sur-
face water implemented by Lin et al. (2018) revealed that considerably
higher abundances were found (379–7924 itemsm−3) than thosemea-
sured in the South China Sea in this study (17–25 itemsm−3). These re-
sults may be attributed to the expected higher microplastic abundance
in rivers (Luo et al., 2019) or the difference in the sampling procedure.
Lin et al. used 5 L sample bottles to scoop the upper water body and fil-
tered the contents with a 20 μmmembrane filter, allowing smaller and
buoyant particles to be captured. Equally large amounts (301–7467
items m−3) were detected in the South China Sea by Cai et al. (2018).
They used a pump-based sampling system that considered particle
sizes down to 20 μm as well. In addition to the pump sampling, Cai
et al. used a conventional bongo net (333 μmmesh size) for comparison
and found 0–0.33 items m−3, which is about 70 times less than the re-
sults reported in this study. In contrast, Tsang et al. (2017) reported re-
sults in the same order of magnitude as this study with abundances
ranging between 0.5 and 279 items m−3 in Hong Kong marine waters.
They collected surface samples using a plankton net with a comparable
mesh size (153 μm) but also used NaCl to remove sediments.

With these initial results presented in this research, wewould like to
encourage minimizing the methods used for scientistic field studies to
separate microplastics, but with maximum detection accuracy for the
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uniform method used. A homogenized method is essential to achieve
global comparability of microplastic abundances (Dehaut et al., 2019).

In this study, a new microplastic separation technique is proposed
that is suitable for most sample types, especially for volume-or mass-
limited samples and small-sized microplastic items, with a low risk of
contamination due to the few and simple processing steps required.

5. Conclusion

Within this study, we developed a commonly applicable, sample-
type-independentmicroplastic separationmethod with highmatrix re-
moval efficiency and high microplastic recovery accuracy. The goal was
to reduce the effort required for microplastic detection to enable a real-
istically performable method for a broader number of institutions. Our
outcomes represent a new simple, inexpensive, and rapid method that
is particularly suitable for small sample volumes or masses and low
analyte abundances. For thismethod, we usedH2O2 (30%) as a digestion
agent, with the subsequent addition of acetic acid (24%) and an
adsorption separation technique implemented by a coated syringes
cascade. We achieved an average matrix removal efficacy of 96.25 ±
0.33% with a microplastic particle recovery rate of 98.0 ± 3.8% and a
minimized risk of influences by chemical pretreatment, realized
through shortened exposure times. Applying this combined adsorption
separation technique, the detection by using the Nile red staining
method gained in accuracy and subsequent spectral analysis could be
accelerated and specified due to lower remaining natural particles. Nev-
ertheless, this new adsorption separation technique offers further op-
portunities for improvement, especially for a stronger PA adsorption
and the separation possibility of sediment sample masses larger than
10 g.

By applying this technique, we already detected comparatively large
amounts of small-sized microplastic particles in small volumes of two
different marine sample types. However, comparability with previous
studies is poor due to the different preparation and sampling methods
used in previous studies worldwide.

With this research, we want to emphasize the importance of a
uniformly applied microplastic detection technique. More accurate
and large-scale studies could present a clearer status of the global
microplastic pollution situation, which would be of great benefit for
further actions towards environment protection.
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A B S T R A C T   

No anthropogenic pollutant is more widespread in the aquatic and terrestrial environment than microplastic; 
however, there are large knowledge gaps regarding its origin, fate, or temporal variations in the oceans. In this 
study, we analyzed sediment trap material from the deep subtropical Northeast Atlantic (2000 m) in a long-term 
record (2003–2015) to assess the role of the deep ocean as a potential sink of microplastics. Microplastic particles 
were identified in all 110 analyzed samples with flux rates of 1.13–3146.81 items d−1 m−2. Calculated micro
plastic mass fluxes ranged between 0.10 and 1977.96 μg d−1 m−2, representing up to 8% of the particle flux. 
Between years, the composition of the different polymers changed significantly, dominated by polyethylene, 
whose amount was correlated with the lithogenic input. The correlation between polyethylene and the lithogenic 
fraction was attributed to an air transport pathway from northeast Africa and surrounding regions. The second 
most abundant polymer detected in our study was polyvinyl chloride, which is not correlated with lithogenic or 
biogenic particle flux fractions. Instead, we observed seasonality for polyvinyl chloride with recurring high fluxes 
in winter before the plankton bloom and significantly lower amounts in summer. Other polymers identified were 
polypropylene, polyethylene terephthalate, and lower numbers of polystyrene and polymethyl methacrylate. The 
average microplastic particle size for all samples and polymers was 88.44 ± 113.46 μm, with polyethylene and 
polyvinyl chloride having the highest proportion of small particles (<100 μm). Our findings provide first insights 
into temporal variations of sinking microplastics, which are crucial for understanding the fate of plastic in the 
oceans.   
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1. Introduction 

Plastic accompanies humans in all aspects of life and lifestyles with 
high economic importance and has received much attention in recent 
years due to its ubiquity in the environment (Andrady, 2011; Cole et al., 
2011). Depending on the plastic type, it is mainly used as disposable 
packaging material but is also applied in the building, construction, and 

automotive industries (Derraik, 2002). In 2015 alone, global plastic 
production reached 380 million metric tons (MT) and is still rising, with 
only about 9% being recycled, 12% incinerated, and 79% disposed of in 
landfills or accumulating in the natural environment (Geyer et al., 
2017). Due to poor waste management, careless waste disposal, in
dustries, or sewage sludge, terrestrial plastic enters the marine envi
ronment from land via rivers, atmospheric transport, and beach littering 
(Auta et al., 2017; Rochman, 2018). It can also be introduced directly via 
aquaculture, shipping, or fishing (Blumenröder et al., 2017; Chae et al., 
2015; Rochman, 2018). Previous estimates indicated that up to 4 MT of 
plastic enters the oceans every year via rivers alone (Lebreton et al., 
2017; Schmidt et al., 2017). Supported by the durability, plastic strongly 
accumulates in the oceans, causing various harmful effects on the ma
rine ecosystem and human health (Wright and Kelly, 2017). Pollutants 
such as additives or monomers added during manufacturing, or pre
carious degradation products, may be released into the surrounding 
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water (Gewert et al., 2018). Besides that, microplastics in particular (1 
μm–5000 μm in size) offer many attachment sites for lipophilic pollut
ants, pathogens, and harmful metals that can be transported across the 
globe adhering to the microplastic surface (Frias et al., 2010; Graca 
et al., 2014; Zettler et al., 2013). Due to the wide distribution, micro
plastics can easily be ingested by marine species from all over the world. 
Mussels are among the most affected species, consuming many micro
plastics by filtrating large amounts of water (Setälä et al., 2016). Via the 
food chain, microplastics are transferred to higher trophic levels and can 
already be verified in the most benthic, pelagic, as well as benthopelagic 
organisms (Avio et al., 2020; Coyle et al., 2020; Farrell and Nelson, 
2013; Setälä et al., 2016). Microplastics that bioaccumulate in the 
digestive tract, reduce food uptake and survival of various marine ani
mals, or release adsorbed contaminants impairing cellular and molec
ular functions (Au et al., 2017; Avio et al., 2015a). Due to these multiple 
dangers, understanding the fate and vertical and horizontal transport 
pathways of plastics is of great importance. 

Currently, previous estimates of global microplastic pollution are 
based on concentrations determined at the ocean surface, ignoring 
concentrations in the water column and seabed (Kukulka et al., 2012; 
Poulain et al., 2019). The buoyancy properties of the most manufactured 
and commonly used plastic types (Andrady and Neal, 2009) suggest that 
the majority of plastic exposed to the environment accumulates on the 
water surface. However, recent investigations have shown that con
centrations at the water surface are lower than in the water column and 
deep sea (Choy et al., 2019; Zhou et al., 2021), especially for 
millimeter-sized fragments smaller than 1 mm (Bergmann et al., 2017). 
The presence of microplastics at all depths has already been proven in 
the deep Arctic Ocean at 2–5569 m depth (Tekman et al., 2020) or the 
upper North Atlantic Ocean between 0 and 200 m depth (Pabortsava and 
Lampitt, 2020). This indicates a vertical distribution of microplastic 
particles through the water column and sinking from the water surface 
into the abyss even for light plastics with a lower density than oceanic 
water. The microplastic concentrations in the deep sea are already 
similar to those found in coastal sediments (Woodall et al., 2014). Once 
arrived in the deep sea, the lack of solar radiation, low temperatures, 
and lower oxygen concentrations relative to the atmosphere strongly 
slow the degradation process, leading to steadily increasing microplastic 
concentrations in the deep sea (Andrady, 2011). However, the sinking 
mechanism of microplastic under environmental conditions, especially 
for lightweight microplastics is not yet fully understood. Previous 
models have shown that mainly small microplastic particles sink 
through the water column due to biofouling or aggregation, increasing 
the microplastic sinking rates up to 81% (Kaiser et al., 2017; Kooi et al., 
2017). Consequently, and due to the higher proportion of the small 
microplastic fraction (Araujo et al., 2018), the vertical distribution of 
the small fraction is expected to be much broader. However, the small 
microplastic size fraction (<200 μm) is often neglected in environmental 
surveys (Coyle et al., 2020) due to limited sampling abilities or high 
instrumental detection effort, leading to large gaps in the estimated 
global microplastic pollution. 

To determine the exact input of plastic waste into the marine envi
ronment and to estimate the rate at which plastic sinks to the deep, 
measurements of microplastic quantities passing through the water 
column are necessary (Pabortsava and Lampitt, 2020). Another relevant 
task is distinguishing between the different polymer types. The enor
mously broad range of various chemical and physical properties can 
control the sinking pathway of microplastics (Kaiser et al., 2019, 2017; 
Kowalski et al., 2016) and thus their retention time in the water column 
and availability to native fauna. 

Here, we provide the first long-term record of microplastic fluxes and 
compositions from 2003 to 2015 collected with a sediment trap. This 
trap was deployed at 2000 m depth at the time series station Kiel 276 
(water depth 5300 m), moored in the subtropical Northeast Atlantic 
Ocean (33 ◦N, 22 ◦W). Using Raman spectroscopy, we measured 
microplastic particles down to 10 μm in size and discuss our findings in 

the context of measurements in the Atlantic Ocean and predictive 
models from previous studies. Analyses of sediment trap material 
allowed us to assess the temporal variability of sinking microplastic 
within the water column and to define possible mechanisms responsible 
for microplastic sinking into the deep ocean. By additional analysis of 
the total sediment trap sample content, potential source regions for the 
collected material and thus for microplastics were identified. 

2. Materials and methods 

2.1. Study site and sampling 

Sediment traps of the mooring station Kiel 276 were deployed and 
recovered with the RV POSEIDON and RV Maria S. MERIAN ship as part 
of eight Atlantic Transect cruises POS297, POS308, POS321, POS349, 
POS383, MSM18-1, POS459, and POS501 between April 2003 and June 
2016. The mooring station is located at 33 ◦N, 22 ◦W within the 5300 m 
deep Madeira Basin at the edge of the North Atlantic Subtropical Gyre 
and contains a sediment trap at 2000 m depth (Fig. 1). Currents in this 
region are characterized by velocities of 20–25 cm s−1 between the 
thermocline (270 m) and the Mediterranean outflow (1000 m). Between 
1000 and 2600 m depth, the velocities weaken to 5 cm s−1, leading to a 
theoretical catchment area of about 100 km2 for this trap (Waniek et al., 
2005b). The interannual variability in wind strength at the study site is 
controlled by the North Atlantic Oscillation (NAO), which additionally 
influences the North Atlantic Subtropical Gyre, the Azores Current 
(surface - 2000 m depth), and the Azores Front (240 m depth) (Frazão 
et al., 2021; Fründt et al., 2013; Fründt and Waniek, 2012; Siedler et al., 
2005). The resulting interannual and seasonal propagation of the Azores 
Front and associated eddy activity leads to temporal variations in the 
sediment trap’s catchment area and affects the mixed layer depth and 
the related primary production in this area (Fründt and Waniek, 2012; 
Waniek et al., 2005b). 

The primary production in the upper water column, together with 
the lithogenic particle input via atmospheric transport, constitutes the 
main content of the particle flux material at 2000 m depth (Brust et al., 
2011; Fründt and Waniek, 2012; Waniek et al., 2005a). The biogenic 
flux, consisting mainly of calcium carbonate (up to 80%) in this part of 
the subtropical Northeast Atlantic Ocean and is highest in spring related 
to the water temperature and nutrient availability (Brust et al., 2011; 
Storz et al., 2009; Waniek et al., 2005b, 2005a). The lithogenic input 
depends on external sources such as Saharan dust outbreaks, occasion
ally transporting large amounts of dust to the sediment trap catchment 
area, which sinks to the deep sea supported by ballast effects (Brust and 
Waniek, 2010; Pullwer and Waniek, 2020). The lithogenic fraction ac
counts for 6–13% of the total particle flux and is characterized by a high 
clay content (Pullwer and Waniek, 2020; Waniek et al., 2005b). Due to 
the high clay content, the aluminum flux can be used as an indicator for 
the lithogenic fraction (Pullwer and Waniek, 2020; Waniek et al., 
2005a). 

The sediment traps used are fiberglass reinforced plastic funnels 
sealed with epoxide resin (funnel slope of 34◦), with a 0.5 m2 opening 
and a revolver holding 21 polypropylene sample bottles with 400 cm3 

volume (type S/MT 234, K.U.M., Germany) (Kremling et al., 1996). A 
hexagonal lattice grid baffle covers the sediment trap funnel to stabilize 
surrounding currents and reduce washout. This grid baffle is made of 
resin-sealed special paper to prevent contamination. After cleaning the 
entire sediment trap and sample bottles, the cleaned bottles were filled 
with a 4:1 mixture of in situ seawater (collected by Go/Flo sample 
bottles) and a 5% sodium azide solution with a resulting salinity of 
35–38 g L−1 to preserve sinking material. On the ship, the loaded and 
recovered sample bottles were detached from the sediment trap, 
immediately closed with caps, and stored in the dark at 4–6 ◦C until 
laboratory analysis. 
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2.2. Sample preparation and microplastic separation 

To determine microplastic particles in sediment traps flux material, 
the sample bottle content was divided into four equal aliquots using a 
Churn splitter, and large zooplankton ‘swimmers’ (>1 mm) were 
removed manually using Teflon tweezers. The liquid sample splits were 
filled directly into rinsed polypropylene sample bottles, capped, and 
stored in the dark at 4–6 ◦C until microplastic analysis. For the micro
plastic analysis, the sample splits were freeze-dried (- 60 ◦C, 50 mbar) 
(Rios-Mendoza et al., 2021) and weighted into a beaker (100 mg if 
available). Freeze-drying is suspected of making microplastic particles 
brittle, as the temperature is below the glass transition temperature for 
some polymers in the freeze-drying process, and it has been reported to 
break cell walls and soil aggregates (Adomat and Grischek, 2021; 
Thomas et al., 2020). However, cells and other biogenic components 
contain water inside, which is not the case for plastic particles. To the 
best of our knowledge, there is no evidence of advanced fragmentation 
of microplastic particles caused by freeze-drying, but more detailed 
studies are needed (Adomat and Grischek, 2021; Thomas et al., 2020). 
After drying, the samples were treated using a previously validated 
method to separate small microplastic particles from small sample 
quantities without a loss (Reineccius et al., 2021). This method obtains a 
digestion step through the incubation with 10 mL hydrogen peroxide 
(H2O2; 30% w/w, for synthesis, Merck KGaA, Germany) for 5 h at 50 ◦C 
and 10 mL acetic acid (25% w/w, VWR International, Germany) at room 
temperature for 2 h. This step was implemented to reduce organic ma
terial and shell materials, respectively. The chemical resistance for these 
chemical concentrations, exposure times, and temperatures were 
established previously to ensure the integrity of the plastic particles after 
the treatment processes (Reineccius et al., 2021). The second step 
comprises the separation step in which the resulting sample solution was 
passed through a syringe (30 mL, polypropylene, Terumo, Japan) 
cascade coated with lubricant oil (Ernst GmbH & Co. KG, Germany). 
This separation method was validated for seven different microplastic 
particle types (high-density polyethylene, polypropylene, polystyrene, 
polyvinyl chloride, polyethylene terephthalate, polyamide, and poly
methyl methacrylate) for the size range between 182.6 and 1252.8 μm 
with resulting recovery rates between 88.7 ± 8.6% for polyamide and 
100.0 ± 0.0% for polyethylene, polypropylene, and polystyrene. This is 
a commonly used size range to validate microplastic separation methods 
and was also used by Catarino et al. (2017) (125–500 μm), Budimir et al. 
(2018) (100–1000 μm), and Castillo et al. (2016) with strongly differing 

sizes between the polymer types (63–4700 μm). Li et al. (2018) and Avio 
et al. (2015b) used larger microplastic particle sizes ranging between 
500 and 5000 μm. Within this adsorption separation step, the lipophilic 
microplastic particles were trapped on the interior syringe surface while 
biogenic residues and lithogenic material were removed. Overall, the 
solution was passed through the cascade three times, and the individual 
syringes were then rinsed with ultrapure water to remove non-trapped 
residues. The retained attached microplastic particles on the syringe 
surface were detached with a 50 ◦C detergent solution, which was 
subsequently filtered onto an Anodisc™ filter (Whatman™, 25 mm 
diameter, 0.2 μm nominal pore size, CatNo. 6809–6022). After sample 
filtration, the filtration funnel was rinsed with ultrapure water followed 
by ethanol (30%, Merck KGaA, Germany) to reduce surface tension 
(Peeken et al., 2018). The sample-loaded filter was then transferred to a 
glass slide and immediately covered with a coverslip to avoid airborne 
contamination. 

2.3. Raman microscopy 

Raman measurements were implemented to identify the molecular 
composition of potential microplastic particles. For measurements, a 
LabRAM HR 800 Horiba Jobin YVON Raman spectrometer combined 
with the system integrated NGS LabSpec software and coupled with an 
Olympus BX41 microscope with variable lenses and camera was used. 
Depending on the particle number visible on the filter, either the entire 
filter, a quarter, or randomly a minimum of 100 filter areas of the filter 
(corresponding to about 15%) were scanned for possible microplastic 
particles. The content was subsequently scaled for the entire filter, as 
suggested by Huppertsberg and Knepper (2018). The filters were 
manually scanned in transmitted light at an objective magnification of 
10 × (window size 0.7 × 0.9 mm) to ensure high visibility for colored 
and uncolored particles. The minimum particle size reliably detectable 
by this method was 10 μm. Potential microplastic particles were 
measured at 50 × magnification with a red laser (633 nm, 17 mW, 
air-cooled HeNe laser) at 10 s integration time and 10 accumulation 
scans in the wavenumber range 50–3800 cm−1. In the case of grand 
assembly of the same plastic type at the filter area, spectra were recor
ded at lower integration times and accumulation scans for quicker 
identification by the polymer-specific occurring peaks. Each measured 
particle was photographed after measurement in transmitted light at 10 
× or 50 × magnification depending on their size for subsequent size 
calculation. Obtained spectra were compared against a spectral library 

Fig. 1. Sampling location. Position of the long-term mooring station Kiel 276 (33 ◦N, 22 ◦W) and the prevailing major currents and winds (adopted from Pullwer and 
Waniek (2020)). 
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(WILEY) using the KnowItAll Information System 2020 software. At a 
matching degree >80% between the measured and polymer spectra 
from the database, particles were classified as the respective micro
plastic type. Due to spectral overlay, melting, or interfering fluorescence 
signals, it is usually impossible to measure dark-colored plastic particles 
with Raman spectroscopy. However, we could not find any dark-colored 
particles in our samples, except for some fibers. These fibers were not 
included in the present results. 

2.4. Contamination prevention 

The sediment traps were covered and rinsed before and after each 
deployment to avoid contamination during the sampling procedure. The 
cleaning procedure for the entire sediment trap includes the bottles, 
cone, revolver, and connector items and followed the standard treat
ment procedure for trace element analysis. This treatment comprises an 
acid treatment with a thorough subsequent rinse with ultrapure water 
under cleanroom conditions (Kuss and Kremling, 1999). The sample 
splitting, swimmer removal, and preparation of the fixing solution were 
carried out under the fume cupboard in a ‘class 100’ cleanroom under 
positive pressure (Kuss and Kremling, 1999). As reported by Wesch et al. 
(2017), working under a fume cupboard reduces airborne contamina
tion (average contamination <1 fiber over 0.75–4.75 h) significantly, 
but blank samples were also prepared and analyzed additionally (see the 
following section). All following procedures during the digestion steps 
and the microplastic adsorption separation were performed under the 
fume cupboard by only one person working in the laboratory wearing a 
white cotton lab coat and nitrile gloves. Before and between the pro
cedure steps, the working area was wiped damp using white paper 
towels. The samples were covered with aluminum foil between all 
treatment steps and for storage. Except for the sediment trap sample 
bottles and syringes, solely glass containers were used. These glass 
containers were rinsed thoroughly with ultrapure water immediately 
before usage. All chemicals and solutions applied for the sample treat
ment, and the adsorption-desorption processes (H2O2, acetic acid, 
detergent solution, ethanol) were filtered through a glass fiber filter 
(Whatman™, 47 mm diameter, 0.7 μm nominal pore size, CatNo. 
1825–047). Ultrapure water, which was used to prepare the fixing so
lution and the sample filtration, was filtrated by a system integrated 
filter device (Millipak®, 47 mm diameter, 0.22 μm nominal pore size). 

2.5. Blank test 

Despite the elaborate contamination precautions, additional blank 
samples were prepared and analyzed to eliminate the possibility of 
airborne contamination. In each sediment trap deployment, one of the 
21 sample bottles was not exposed to the marine environment anytime 
and was used here as a sampling blank (Lundgreen et al., 1997). 
Contamination by the sediment trap itself can be excluded due to the 
resin-sealed surface, the use of Teflon (a single Teflon particle was found 
in one of 110 samples), or metals for every trap component. These 
sampling blanks were treated and analyzed for the sample series 24, 25, 
26, and 29 analogously to the samples. Besides these sampling blanks, 
method blanks were prepared to distinguish between contamination 
during treatment in the laboratory and field sampling (Supplementary 
Tab. S4). Method blanks were prepared simultaneously with a set of 
5–10 samples by pouring the digestion chemicals into an empty beaker. 
Blanks were then treated and analyzed equally to the samples, as 
described in section 2.2. 

2.6. Flux calculations 

Prior to calculating the microplastic fluxes, the count of microplastic 
particles detected on the blank filters was subtracted from the count of 
microplastic particles identified in the samples. For the microplastic flux 
ΦF (items d−1 m−2) calculation, the blank-corrected microplastic count n 

per sample filter, the sampling duration t, sampling area A, the total 
sample mass mTS, as well as the used sample mass mUS are needed 
(Reineccius et al., 2020): 

ΦF
[
items ​ d−1 ​ m−2]

=
mTS

mUS
×

n
t[d] × A[m2]

(1) 

The microplastic particle mass required to determine the micro
plastic mass flux ΦMF (μg d−1 m−2) was calculated by multiplying the 
polymer-specific density (Hidalgo-Ruz et al., 2012) with the particle 
volume obtained by the two-dimensional (2D) size measurements of the 
particle images taken by Raman microscopy. For the measurements, the 
open-source software FIJI-ImageJ 1.53 (Schindelin et al., 2012) was 
applied using the manually set threshold for pixel brightness for every 
image to optimize the accuracy for individual particle area measure
ments (Pabortsava and Lampitt, 2020). Depending on the particle shape, 
volumes were calculated based on an ellipsoidal (spheres/fragments) or 
cylindrical shape (elongated particles/fibers) for every microplastic 
particle. For ellipsoidal-shaped particles, the measured length 
(maximum axis) and area were used to calculate the best fitting width 
(minimum axis) according to the method used by Kumar et al. (2010) 
(used formulas are additionally provided in Supplementary materials 
‘Volume calculation’). The same procedure was applied to calculate the 
mass of microplastics analyzed on the blank filters, which was sub
tracted from the microplastic mass in the samples before further calcu
lations. The microplastic mass flux was calculated analogously to 
formula (1) by replacing the blank-corrected microplastic count with the 
blank-corrected microplastic mass of the respective sample mMP: 

ΦMF
[
μg ​ d−1 ​ m−2]

=
mTS

mUS
×

mMP

t[d] × A[m2]
(2)  

2.7. Statistical analysis 

The statistical evidence used is based on the Neyman-Pearson cor
relation tests and the nonparametric Mann-Whitney U tests (Pabortsava 
and Lampitt, 2020). These tests were performed applying the 
open-source python software (Spyder version 5.0.3) or the statistic 
program Past (version 4.02). The correlation test was implemented to 
examine relationships between microplastic (mass) fluxes and element 
or particle fluxes. Furthermore, correlations with dust in the atmosphere 
given as the Aerosol Optical Depth (AOD550nm) or precipitation above 
the water column, particulate organic carbon (POC) concentrations in 
surface water, or the position of the Azores Front were examined. Sig
nificant differences in heavy or light polymer fluxes between the seasons 
were proven using the Mann-Whitney U test. For this purpose, the 
respective fluxes were assigned to the spring, summer, fall, or winter 
months and then compared mutually. A significance level of 5% (α =
0.05) was chosen for both tests. 

3. Data availability 

All data regarding the microplastic and particle fluxes are attached in 
the Supplementary materials or are available from the authors upon 
request. Element and mineral fluxes are available in previous studies 
(Brust and Waniek, 2010; Pullwer and Waniek, 2020) or upon request 
from the authors. Additional data about the mooring station Kiel 276 
and related ship cruises can be found in the report from Müller and 
Waniek (2013), downloaded from the public repository PANGEA 
(https://doi.pangaea.de/10.1594/PANGAEA.836,686) or can be taken 
from the cruise reports (https://doi.org/10.2312/cr_po459, https://doi. 
org/10.3289/CR_POS_501). NAO data are freely available at https://cru 
data.uea.ac.uk/cru/data/nao/nao.dat, updated from Jones et al. 
(1997). 
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4. Results 

4.1. Temporal variabilities of microplastic fluxes and microplastic mass 
fluxes 

To obtain a time series of microplastic items and masses sinking into 
the deep sea, we collected and analyzed particle flux material from a 
2000 m sediment trap moored at station Kiel 276 in the subtropical 
northeastern Atlantic Ocean (Pullwer and Waniek, 2020; Waniek et al., 
2005b, 2005a). A total of 110 particle flux samples taken between April 
2003 and June 2015 were analyzed using Raman microscopy, in which 
we found microplastic in quantities between 4 and 6816 particles per 
sample filter. On the blank filters, we found a microplastic particle 
quantity between 0 and 7 items per filter (0.9 items per filter on 
average), which mainly consisted of polyethylene and polypropylene, 
but we also found one polystyrene and one polyethylene terephthalate 
particle (Tab. S5). After blank correction, this resulted in microplastic 
fluxes between 1.13 and 3146.81 items d−1 m−2 sinking into the deep 
subtropical Atlantic Ocean. The microplastic fluxes show high vari
ability between years and months. The highest microplastic flux signals 
were observed in May and June 2003 (series 23), in March through June 
2004 (series 24), and in September 2010 through April 2011 (series 27) 
(Fig. 2A). The maximum microplastic mass flux was examined for the 
sample collected during October 2004 (series 24) with 4754.92 μg d−1 

m−2, while the lowest was verified for September to October 2005 (se
ries 25) with 0.10 μg d−1 m−2 (Fig. 2B). Related to the total particle flux 
of the respective sample, this corresponds to a microplastic mass content 
of 8.39% or <0.01%, respectively (average 0.45 ± 1.28%). Due to the 
dependence of the particle mass on the individual particle size and 
density, the microplastic mass flux was not strictly related to the 
microplastic flux. This was evident in March through June 2004 (series 
24) with a high microplastic flux rate but a relatively low microplastic 
mass flux, due to dominating small particle sizes. 

The resulting average particle size (±s.d.) determined for the indi
vidual time series ranged between 74.14 ± 40.53 μm (May 2011 until 
July 2013, series 28) to 111.02 ± 264.25 μm (May 2007 until December 
2008, series 26) (Fig. 3). The average microplastic particle size in all 
samples was 88.44 ± 113.46 μm. Assignment of the size ranges to the 

individual polymer types showed the most abundant particles in the size 
fraction <100 μm were detected for polyethylene (78.85%) and poly
vinyl chloride (78.45%), followed by polystyrene (72.31%) and poly
propylene (63.64%), with a slightly lower contribution to this size 
range. 

Moreover, polyethylene and polyvinyl chloride were the most 
frequently detected polymers, but polypropylene, polystyrene, poly
ethylene terephthalate, and polymethyl methacrylate particles were also 
identified (Fig. 4B and C). Polyamide, polytetrafluoroethylene (Teflon), 
and the copolymer of polyethylene and polypropylene were found in 
smaller quantities. Individual polymers, especially polyethylene, poly
vinyl chloride, and polystyrene, showed remarkable temporal differ
ences. The highest occurrence of polyethylene was measured in 2003 
and 2004, polyvinyl chloride was the dominating polymer type from 
2010 to 2011, and polystyrene was mainly found in 2006 and 2007 
(Fig. 4A). No linear correlation was determined between the fluxes of 
the four most abundant polymers (polyethylene, polyvinyl chloride, 
polypropylene, polystyrene). Instead, strong correlations were found 
between polyvinyl chloride and polyamide, polyvinyl chloride and 
polymethyl methacrylate, as well as polyamide and polymethyl meth
acrylate (Supplementary Tab. S1). For the microplastic mass fluxes, 
merely polyethylene terephthalate was correlated with polypropylene 
(Supplementary Tab. S2). 

4.2. Seasonality of microplastic fluxes 

Intending to determine a potential seasonal pattern in microplastic 
(mass) fluxes in the deep Atlantic Ocean, the daily flux values between 
2003 and 2015 were monthly averaged and compared to the two most 
important components of the total particle flux, the lithogenic and 
biogenic flux fraction (Pullwer and Waniek, 2020; Waniek et al., 2005b, 
2005a). As the most common microplastic types (polyethylene and 
polypropylene) are lighter than seawater but were also found in the deep 
sea (Bergmann et al., 2017), a biogenic ballast effect has to be taken into 
account as an important deposition process also for microplastics (Auta 
et al., 2017; Bergmann et al., 2017). Indeed, microplastic fluxes were 
remarkably lower during the summer months July–August, and highest 
in April, such as the biogenic flux. However, in the winter months, the 

Fig. 2. Microplastic (mass) fluxes at Kiel 276. (A) The black line represents the microplastic flux (items d−1 m−2), (B) the calculated microplastic mass flux (mg d−1 

m−2) for a sample number of n = 110, and (C) shows the total particle flux (mg d−1 m−2) for comparison. Dashed black lines in (B) illustrate uncertainties resulting 
from the mass calculations with polymer density ranges. The bar width indicates the sampling time for each sample. Gaps in the fluxes mirror mooring failure or no 
deployment. Respective series numbers are given at the top and are separated with dashed gray lines. Note that the scale of the y-axis differs between the figures. 
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microplastic fluxes and especially the microplastic mass fluxes were 
higher than expected in relation to the biogenic flux (Fig. 5). Divided 
into heavy and light polymer types, the high microplastic fluxes during 
the winter months were largely attributed to the heavy polymers with 
significantly higher microplastic fluxes in winter (DJF) and lowest 
during summer months (JJA). This implemented a seasonal dependence 
for the heavy polymer flux (n = 73, Mann-Whitney U test: W = 401, p =
3.49 × 10−3, α = 0.05) and heavy polymer mass flux (n = 73, 
Mann-Whitney U test: W = 449, p = 1.68 × 10−2, α = 0.05), but was not 
observed for the light polymer flux, mainly composed of polyethylene. 

Compared to the total particle flux, the polyethylene flux solely was 
identified to correlate with the lithogenic component (|r| = 0.60, p =
7.76 × 10−12), while the correlation with the biogenic component was 
weaker (|r| = 0.37, p = 8.96 × 10−5) (Supplementary Tab. S3). In 
addition, we observed correlations between other important lithogenic 
constituents and polyethylene, such as Fe, Mg, Ti, Co, and Zr, while 
polyvinyl chloride fluxes were correlated with the fluxes of S, As, and Sb 
(Supplementary Tab. S3). Correlation with atmospheric dust particles 
(AOD550nm) or precipitation above the water column, particulate 
organic carbon (POC) concentrations in surface water, or the position of 
the Azores Front, were not detected neither for heavy polymers nor for 
the light polymer fraction (Supplementary Tab. S6). 

5. Discussion 

5.1. Characteristics of microplastic (mass) fluxes 

Examination of sediment trap material over a 12-year time interval 
(2003–2015) demonstrated huge temporal variations in microplastic 
(mass) fluxes and polymeric composition, while the microplastic size 
range revealed no significant differences between the polymer types or 
time intervals. Small microplastic fragments <100 μm (74%) dominated 
for all sediment trap samples and were more abundant than previously 
detected in the upper North Atlantic Ocean waters (polyethylene = 68%, 
polypropylene = 49%, and polystyrene = 67%) (Pabortsava and 
Lampitt, 2020) but less than for the Arctic Ocean water column (100%) 
(Tekman et al., 2020). Note that the size detection limits and method
ologies were strongly variable between microplastic surveys, making a 
comparison between those studies challenging. 

Overall, we mainly found the plastic polymers polyethylene and 
polyvinyl chloride, followed by lower quantities of polypropylene, 
polystyrene, and other less abundantly detected polymers (Fig. 4). The 
most frequent occurrence of polyethylene corresponds to the global 
plastic production and disposal (Andrady, 2011; Geyer et al., 2017) as 
well as the polymers found in the marine environment of the Atlantic 
Ocean (Enders et al., 2015; Law et al., 2010; Pabortsava and Lampitt, 
2020). In more northern regions of the Atlantic Ocean close to the 

United Kingdom (Courtene-Jones et al., 2020, 2017; Lindeque et al., 
2020) or the Arctic Ocean (Tekman et al., 2020), polyethylene tere
phthalate or polyamide microplastics were reported as the main 
component instead of polyethylene. Compared to polymeric composi
tions previously detected in the upper Atlantic Ocean water column 
(Enders et al., 2015; Kanhai et al., 2018; Ter Halle et al., 2017) or on 
beaches (Álvarez-Hernández et al., 2019; Edo et al., 2019), we found 
remarkably higher polyvinyl chloride and lower polypropylene contents 
in deep particle flux material. 

Consistent with this observation, polyvinyl chloride concentrations 
are expected to be low in the upper water column due to the higher 
density of polyvinyl chloride (ρ = 1.16–1.58 g cm−3) compared to 
seawater (ρ ≈ 1.02 g cm−3) (Bergmann et al., 2015; Hidalgo-Ruz et al., 
2012). However, due to the high contamination risk during the sampling 
procedure, polyvinyl chloride was not considered in the analysis for 
Atlantic Ocean vertical or deep sea surveys in many cases (e.g. 
Lechthaler et al., 2020; Pabortsava and Lampitt, 2020). Samples of the 
upper water column (0–240 m depth) in the Atlantic Ocean collected by 
Enders et al. (2015) in spring 2014 indicated a polyvinyl chloride frac
tion of 1.8%. In our collected samples, polyvinyl chloride was the 
dominant component (98%) in 2004. At the water surface (0–20 cm) of 
the North Atlantic Subtropical Gyre, Ter Halle et al. (2017) attributed 
8% of all microplastics found in June 2015 to polyvinyl chloride and 
13% polypropylene. We detected 69% polyvinyl chloride and <1% 
polypropylene particles for the sampling month May–July of the same 
year with higher polyvinyl chloride proportions between January and 
May (83%). One reason for these different vertical polymer composi
tions could be the density-dependent particle separation due to varying 
sinking velocities. Another reason might be the horizontal advection of 
particles within the water column due to the prevailing currents. This 
results in a longer residence time in the upper water column for poly
mers lighter than seawater compared to heavier polymers. Another 
reason for highly variable polymer compositions with increasing water 
depths (Pabortsava and Lampitt, 2020; Tekman et al., 2020) might be 
differences in degradation rates and stabilities between the polymer 
types (Choy et al., 2019; Pabortsava and Lampitt, 2020). Polystyrene 
and polypropylene are more sensitive to UV radiation and form cracks or 
flakes faster than polyethylene (Cai et al., 2018; Min et al., 2020; Song 
et al., 2017). The molecular structure of polyvinyl chloride is considered 
less resistant than polyethylene, polypropylene, or polystyrene (Min 
et al., 2020), but added additives during production or the manufac
tured shape can increase resistance (Chen et al., 2021; Khalil et al., 
2013). 

Differences in polymer durability and density, and findings of pre
vious surveys resolving the vertical scale, indicate that the composition 
of microplastics at the water surface is not comparable to that in the 
deep sea (Pabortsava and Lampitt, 2020; Tekman et al., 2020). To the 

Fig. 3. Size distribution of microplastics. The black line shows the abundance (%) of the respective size (calculated in 10 μm steps) starting at a 10 μm particle 
diameter for each time series and the sum of all particles detected (all). Dashed line marks the mean size value with ±s.d. As gray bars, and letter n provides the 
number of particles measured for the respective time series. 
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best of our knowledge, no deep sea sediments within 1000 km of our 
sampling site have been analyzed for microplastics until now. Merely, 
beach or shallow water sediments were examined for microplastics at 
the Canary Island and Nigeria in the large size fraction with lower size 
limits at 90 μm (Villanova-Solano et al., 2022) and 1 mm 
(Álvarez-Hernández et al., 2019; Edo et al., 2019; Fred-Ahmadu et al., 
2020). However, as these studies neglect the dominant size fraction of 

microplastic (Bergmann et al., 2017; Tekman et al., 2020), a comparison 
with our results is less meaningful. In contrast to large and heavy items, 
smaller microplastic particles (<100 μm) were found to be dispersed 
over long horizontal distances or vertically within the mixed layer due to 
wind-induced mixing and lower sinking velocities (increased retention 
time) (Kooi et al., 2017; Kowalski et al., 2016; Kukulka et al., 2012; 
Pabortsava and Lampitt, 2020). Based on our findings, we hypothesize 

Fig. 4. Distribution of the polymer types. (A) Red bars show the microplastic flux (items d−1 m−2), and black lines illustrate the microplastic mass flux (μg d−1 m−2) 
from n = 110 flux material samples for the individual polymers. Dashed black lines illustrate uncertainties from mass calculations with polymer density ranges. The 
gaps in the fluxes mirror mooring failure or no deployment. Respective series numbers are listed at the top and are separated with dashed gray lines. (B) Percentage 
(%) of the individual polymers found in the samples of microplastic flux (determined from n = 110 samples) and (C) microplastic mass flux (n = 110 samples). 
Stacked bar charts show the proportions of the rarer polymers. PE = polyethylene, PP = polypropylene, PVC = polyvinyl chloride, PET = polyethylene terephthalate, 
PS = polystyrene, PMMA = polymethylmethacrylate, other = polyamide, polytetrafluoroethylene and copolymers. (For interpretation of the references to color in 
this figure legend, the reader is referred to the Web version of this article.) 
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high polyvinyl chloride amounts in remote locations like Kiel 276, the 
Ross Sea in Antarctica (Munari et al., 2017), or the Arctic Central Basin 
(Kanhai et al., 2018) are attributable to the small particle size, which 
enables the wide horizontal and vertical transport pathway. We addi
tionally assume that the change of the dominant polymer type entering 
the sediment trap in certain time intervals could be attributed to 
different source areas, transport pathways, and sinking mechanisms. 
Due to the low density of polyethylene (ρ = 0.92–0.97 g cm−3) and 
polypropylene (ρ = 0.90–0.91 g cm−3) (Bergmann et al., 2015; Hidal
go-Ruz et al., 2012), sinking is not possible by weight alone. An increase 
in total particle density is required for low-density microplastics to reach 
the deep sea, enabled by aggregation or ballasting effects and initiated 
by incipient biofouling (Kooi et al., 2017; Michels et al., 2018). Polymer 
types of higher densities do not rely on these processes to sink but can 
nevertheless be affected by increasing or decreasing total particle den
sity (Kooi et al., 2017). 

5.2. Possible source regions of microplastics in the deep northeast Atlantic 

The highest amounts of light polymers were detected between April 

2003 to March 2005 (series 23 and 24), along with a high biogenic 
particle flux (Fig. 2), confirming a dependence between primary pro
duction and sinking of light polymers. However, we demonstrated that 
polyethylene flux in 2000 m depth is correlated with the lithogenic 
rather than expected biogenic particle flux for the investigated time 
scale (Supplementary Tab. S3). Based on this observation, we assume an 
airborne input pathway of polyethylene similar to that of lithogenic 
particles. The polyvinyl chloride flux was not correlated with the 
lithogenic flux, and no seasonal correspondence with biogenic activity 
was found (Fig. 5). However, the recurring cycle for heavy polymers 
with significantly higher concentration in winter and lowest during 
summer months implements another seasonally occurring dependence. 
The easterly trade winds (Harmattan) are one explanation for these 
findings, blowing over Africa and the northeastern Atlantic Ocean. As 
these winds blow more southerly in winter than in summer, the source 
region could be changed to a more populated region (south of the Sahel 
Zone). These prevailing easterly winds are also stronger in winter than 
in summer (Doherty et al., 2012), which favors the transport of plastic 
items in the water (sub)surface to the mooring catchment area from 
neighboring islands (Canary Islands) or mainland. The neighboring 

Fig. 5. Seasonality of particle (mass) fluxes. (A) Monthly calcium (Ca) and aluminum (Al) fluxes (mg d−1 m−2) (fluxes taken from a previous study (Pullwer and 
Waniek, 2020)). (B) Monthly microplastic fluxes and microplastic mass fluxes, as well as monthly fluxes and mass fluxes for the sum of light polymers (LP) ((C); 
polyethylene, polypropylene, polyethylene/polypropylene) and heavy polymers (HP) ((D); polystyrene, polyethylene terephthalate, polyvinyl chloride, polymethyl 
methacrylate, polyamide, polytetrafluoroethylene). The dashed line marks the annual mean (mass) fluxes. 
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mainland (North and West Africa) is among the 10 regions with the 
highest concentration of mismanaged plastic waste (Lebreton and 
Andrady, 2019), and adjacent islands are known for high concentrations 
of plastic on beaches and coastal waters (Álvarez-Hernández et al., 
2019; Edo et al., 2019). 

This assumption is highly supported by the rare earth element (REE) 
concentrations in the lithogenic component of the sediment trap samples 
(Supplementary Material based on data from Pullwer and Waniek 
(2020)). The composition of the REE at Kiel 276 was strongly correlated 
with the REE composition of Gran Canarias soils, especially for samples 
collected from March 2004 until February 2005, April 2007 to January 
2010, and for some samples taken between October 2013 and June 
2015. The high polyvinyl chloride fluxes during the winter months may 
also depend on seasonal processes occurring within the water column. 
Strong stratification in the surface layer could prevent the sinking of 
microplastic particles during the summer months (Fig. 5). A deeper 
mixed layer depth in autumn and winter (Waniek et al., 2005a) could 
explain the seasonality of the heavier polymers with an increasing flux 
in November and December. This effect is less pronounced for the 
low-density polymers due to their lower weight, associated longer 
residence time in the upper water column, and different source regions. 

The exceptionally high fluxes of heavy polymers in winter 2010/ 
2011 (Fig. 5A) cannot be attributed to seasonal fluctuations and are 
more likely to have been caused by interannual or single events. One 
reason for the strong interannual variability could be the change in the 
NAO index, which leads to weaker westerly winds and increased pre
cipitation in North Africa with decreasing index (Pérez et al., 2000; 
Siedler et al., 2005). More frequent and intense precipitation flush 
plastic from the land into the sea (Lima et al., 2014) that could subse
quently be transported by attenuated westerly winds to the trap’s 
catchment area 600–800 km from land. Contrary to the directly 
noticeable influence on the atmosphere and the water surface, the ef
fects of the NAO on the oceanic systems are temporally delayed, with 
fluctuating time lags (Fründt and Waniek, 2012). Combined with addi
tional variability in non-cyclical oceanic meteorological systems (Fründt 
et al., 2013; Fründt and Waniek, 2012) and numerous ancillary effects, 
correlations between the NAO index and the microplastic (mass) fluxes 
are weak, as expected (not shown). Overall, the most plausible reason 
for the strongly fluctuating fluxes of heavy and light polymers within 
and between years is the combination of multiple factors. The biogenic 
activity in the water column, the aerosol input, variable currents, the 
polymer density, particle shape, and polymer durability can be 
responsible for the resulting microplastic (mass) flux variations. 

To obtain a rough estimate of the microplastic input to the deep 
ocean for this study period, we scaled our results for the entire Atlantic 
Ocean area (81.6 × 10−6 km2) (Pabortsava and Lampitt, 2020). We 
calculated a microplastic input of 65.9 MT sinking into the deep Atlantic 
Ocean between April 2003 and June 2015, corresponding to an annual 
input of 5.4 MT year−1. These 12 years of microplastic collection are in 
the same order of magnitude as the plastic accumulation calculated for 
the entire Atlantic Ocean waters and sediments between 1950 and 2015 
(17–47 MT) (Pabortsava and Lampitt, 2020). Within our continuous 
record, no significant increase in plastic levels was observed in the deep 
particle flux of the Atlantic Ocean. This also applies to the study of Law 
et al. (2010), in which no increase in plastic quantities was found for the 
Atlantic surface over an observation period of 22 years. However, 
modeling and field studies with time series of 30 and 60 years showed 
increasing plastic pollution at the ocean surface (Ostle et al., 2019; 
Wilcox et al., 2020). Note that our scaling should be evaluated with 
caution, as it was performed based on observations from only one time 
series station, and detection methods between the studies vary widely. A 
longer time scale and more sampling sites are needed to confirm or 
reject the increase in microplastic amounts in the deep sea. 

Until now, there is no specific information available about the 
sinking rates of microplastic particles and limited investigations of deep 
sea sediments. Potentially, large amounts of marine plastic are 

unaccounted for, contributing to a global underestimation of the amount 
of plastic waste accumulating in the oceans. Within this long-term study, 
we demonstrate the function of the deep sea in global microplastic 
pollution between 2003 and 2015 and show that large amounts of 
microplastic reach the deep sea after crossing the 2000 m deep water 
column. Due to the ongoing input and the long residence time, micro
plastic can cause incalculable damage to the marine ecosystem. There
fore, there is a need to clarify knowledge about the resistance time in the 
water column, the sources, and the fate of microplastic in the complex 
marine ecosystem to recognize possible harms and provide an early 
impetus for alternative materials. With these first time series, we are 
laying the first foundation for determining the deposition rate of 
microplastics to the deep ocean, but further investigations are needed. 

6. Conclusion 

This study provides first data of microplastic flux rates and temporal 
variability of microplastic composition in the deep subtropical Northeast 
Atlantic. Within the studied period between April 2003 and June 2015, 
we found mainly polyethylene and polyvinyl chloride in our samples 
with highest amounts in 2004 and 2010, respectively. Microplastic sizes 
were dominated by very small, fragmented particles smaller than 100 
μm and were not variable between the time series, years, or polymer 
types. The correlation of the lithogenic flux component in the sediment 
trap samples with the polyethylene flux could indicate a link between 
the airborne introduced minerals and the light polymer fraction via 
similar transport pathways. The observed seasonality of the polyvinyl 
chloride fluxes with higher abundances in winter months compared to 
summer months could be attributed to seasonal environmental condi
tions such as the ocean surface stratification, winds, currents, or pre
cipitation. However, correlations between individual environmental 
conditions and polyvinyl chloride fluxes were not found. By collecting 
more microplastic flux samples in the ocean at different depths and 
study sites, future studies may narrow down the sources and transport 
pathways of microplastic particles in the marine environment. These 
initial data, along with future data, can expand the understanding of 
microplastics in our environment, which is not yet fully understood in 
terms of fate and transport pathways. 
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Rangel-García, M., Pérez-Bernal, L.H., Sanchez-Cabeza, J.A., 2021. Microplastic 
contamination and fluxes in a touristic area at the SE Gulf of California. Mar. Pollut. 
Bull. 170, 112638. https://doi.org/10.1016/j.marpolbul.2021.112638. 

Rochman, B.C.M., 2018. Microplastics research — from sink to source in freshwater 
systems. Science 80 (360), 28–29. https://doi.org/10.1126/science.aar7734. 

Schindelin, J., Arganda-Carreras, I., Frise, E., Kaynig, V., Longair, M., Pietzsch, T., 
Preibisch, S., Rueden, C., Saalfeld, S., Schmid, B., Tinevez, J.Y., White, D.J., 
Hartenstein, V., Eliceiri, K., Tomancak, P., Cardona, A., 2012. Fiji: an open-source 
platform for biological-image analysis. Nat. Methods 9, 676–682. https://doi.org/ 
10.1038/nmeth.2019. 

Schmidt, C., Krauth, T., Wagner, S., 2017. Export of plastic debris by rivers into the sea. 
Environ. Sci. Technol. 51, 12246–12253. https://doi.org/10.1021/acs.est.7b02368. 
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Machín, F., Hernández-Borges, J., 2022. Microplastic pollution in sublittoral coastal 
sediments of a North Atlantic island: the case of La Palma (Canary Islands, Spain). 
Chemosphere 288, 132530. https://doi.org/10.1016/j.chemosphere.2021.132530. 

Waniek, J.J., Schulz-Bull, D.E., Blanz, T., Prien, R.D., Oschlies, A., Müller, T.J., 2005a. 
Interannual variability of deep water particle flux in relation to production and 
lateral sources in the northeast Atlantic. Deep. Res. Part I Oceanogr. Res. Pap. 52, 
33–50. https://doi.org/10.1016/j.dsr.2004.08.008. 

Waniek, J.J., Schulz-Bull, D.E., Kuss, J., Blanz, T., 2005b. Long time series of deep water 
particle flux in three biogeochemical provinces of the northeast Atlantic. J. Mar. 
Syst. 56, 391–415. https://doi.org/10.1016/j.jmarsys.2005.03.001. 

Wesch, C., Elert, A.M., Wörner, M., Braun, U., Klein, R., 2017. Assuring quality in 
microplastic monitoring : about the value of clean-air devices as essentials for 
verified data. Sci. Rep. 7, 1–8. https://doi.org/10.1038/s41598-017-05838-4. 

Wilcox, C., Hardesty, B.D., Law, K.L., 2020. Abundance of floating plastic particles is 
increasing in the western North Atlantic ocean. Environ. Sci. Technol. 54, 790–796. 
https://doi.org/10.1021/acs.est.9b04812. 

Woodall, L.C., Sanchez-Vidal, A., Canals, M., Paterson, G.L.J., Coppock, R., Sleight, V., 
Calafat, A., Rogers, A.D., Narayanaswamy, B.E., Thompson, R.C., 2014. The deep sea 
is a major sink for microplastic debris. R. Soc. Open Sci. 1, 140317. https://doi.org/ 
10.1098/rsos.140317. 

Wright, S.L., Kelly, F.J., 2017. Plastic and human health: a micro issue? Environ. Sci. 
Technol. 51, 6634–6647. https://doi.org/10.1021/acs.est.7b00423. 

Zettler, E.R., Mincer, T.J., Amaral-Zettler, L.A., 2013. Life in the “plastisphere”: 
microbial communities on plastic marine debris. Environ. Sci. Technol. 47, 
7137–7146. https://doi.org/10.1021/es401288x. 

Zhou, Q., Tu, C., Yang, J., Fu, C., Li, Y., Waniek, J.J., 2021. Trapping of microplastics in 
Halocline and turbidity layers of the semi-enclosed Baltic Sea. Front. Mar. Sci. 8, 
1–13. https://doi.org/10.3389/fmars.2021.761566. 

J. Reineccius and J.J. Waniek                                                                                                                                                                                                               



Publication III

Publication III

Full Research Paper, Environmental Science and Technology, 2022

Abiotic long-term simulation of microplastic weathering

pathways under different aqueous conditions.

Janika Reineccius, Mischa Schönke, M., Joanna J. Waniek

Submitted: 17 August 2022; Accepted: 20 December 2022

doi: 10.1021/acs.est.2c05746

Microplastics (MPs) are one of the most abundant and widespread anthropogenic pollutants

worldwide. In addition to the global spread and threats of plastic to native species by carrying toxic

substances, its slow degradation rate and resulting long retention time in the environment constitute

a problem that is still poorly understood. In this study, five of the most manufactured plastic types

were weathered under simulated beach conditions for 18 months in freshwater, brackish water, and

seawater. Those included polyethylene (PE), polypropylene (PP), polystyrene (PS), polyethylene

terephthalate (PET), and polyvinyl chloride (PVC). PP was the first polymer type that fragmented

after 9 months of weathering and influenced the pH of the surrounding water. Molecular surface

changes were detected for all polymers, just after the first week. Hydroxyl bonds were one of the

first groups incorporated into the polymers, weakening 2–3 weeks later. Carbonyl groups were also

measured early, but with significantly different developments with time between the polymer types.

Differences in degradation rates were proven between the water media, with the fastest degradation

in seawater compared to brackish water and freshwater for PE and PP. These results are consistent

with previous findings on MPs aged under environmental conditions and provide initial long-term

observations of MP degradation pathways under simulated environmental conditions. These findings

are valuable for assessing the fate and hazards of MPs in aquatic systems.

108



Abiotic Long-Term Simulation of Microplastic Weathering Pathways
under Different Aqueous Conditions
Janika Reineccius,* Mischa Schönke, and Joanna J. Waniek

Cite This: https://doi.org/10.1021/acs.est.2c05746 Read Online

ACCESS Metrics & More Article Recommendations *sı Supporting Information

ABSTRACT: Microplastics (MPs) are one of the most abundant and
widespread anthropogenic pollutants worldwide. In addition to the global
spread and threats of plastic to native species by carrying toxic substances, its
slow degradation rate and resulting long retention time in the environment
constitute a problem that is still poorly understood. In this study, five of the
most manufactured plastic types were weathered under simulated beach
conditions for 18 months in freshwater, brackish water, and seawater. Those
included polyethylene (PE), polypropylene (PP), polystyrene (PS), poly-
ethylene terephthalate (PET), and polyvinyl chloride (PVC). PP was the first
polymer type that fragmented after 9 months of weathering and influenced the
pH of the surrounding water. Molecular surface changes were detected for all
polymers, just after the first week. Hydroxyl bonds were one of the first groups
incorporated into the polymers, weakening 2−3 weeks later. Carbonyl groups
were also measured early, but with significantly different developments with time between the polymer types. Differences in
degradation rates were proven between the water media, with the fastest degradation in seawater compared to brackish water and
freshwater for PE and PP. These results are consistent with previous findings on MPs aged under environmental conditions and
provide initial long-term observations of MP degradation pathways under simulated environmental conditions. These findings are
valuable for assessing the fate and hazards of MPs in aquatic systems.
KEYWORDS: microplastics, artificial weathering, salinity, seawater, brackish water, freshwater

1. INTRODUCTION
Plastic is ubiquitous in the global aquatic environment,
transported around the globe by ocean currents or winds.1,2

The slow decomposition rate of plastic combined with
increasing plastic production and deposition leads to the
accumulation of large quantities of plastic in oceans.2,3 Once in
the ocean, plastic has various consequences for native species,
such as fish4−6 or different invertebrates7−9 that confuse plastic
with their food. After transferring into the marine food web, it
also has reached the human diet.10,11 Heavily degraded and
fragmented plastic provides many attachment sides for
lipophilic contaminants, pathogens, and toxic metals that can
be transported across the globe attached to the plastic surface.
It is suspected that predominantly microplastics (MPs; ≤5
mm), with a large surface-to-volume ratio, act as a preferred
vector for contaminants.12−14 MPs can also release additives or
monomers used for manufacturing and generating harmful
degradation products under environmental conditions.15,16 To
assess the numerous dangers MPs pose to the environment,
understanding the degradation process is necessary.
Currently, research on the degradation processes and

products of MPs is mainly based on theoretical descriptions
and is still poorly understood, especially concerning the effects
of MPs on the surrounding water.15,17−19 The mechanisms

driving the polymer weathering are photo-oxidation, identified
as the most contributing degradation pathway,17,18 photo-
thermal oxidation, mechanical abrasion, hydrolysis, and
biodegradation.20 Under beach conditions, the degradation
process is expected to occur most rapidly due to available
conditions such as solar radiation, mechanical stress from
waves and sand, and high-temperature fluctuations at most
locations.18 In addition to environmental conditions, the
properties of MPs themselves, including their shape, size, and
chemical composition, may also play a substantial role in the
degradation rate.20−22 Other potential contributors, such as
microorganisms or the salinity of the surrounding water, have
not yet been fully clarified.20,23 For determining the
degradation rate of MPs, previous investigations recorded
changes in the surface and molecular composition under
different environmental conditions.18,21,24−27 As the degrada-
tion of MPs in the environment can take several decades, the
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degradation process of MPs was expedited by using stronger
UV radiation with lower wavelengths (<300 nm) than that in
natural sunlight that reaches the earth’s surface.20,28 However,
this choice of higher-energy lamps can lead to distortions of
the aging process of plastic and the subsequent extrapolation to
environmental conditions.20,24,28,29 Besides that, these lamps
produce high temperatures, further affecting the degradation
rate.30

To address these current research needs, a laboratory
experiment was conducted to artificially weather MP particles
under simulated beach conditions very similar to aqueous
environmental conditions. In the frame of this experiment, we
monitored the weathering progress of five different polymer
types over 18 months by analyzing the surface roughness,
contact angles, molecular changes using Raman and FTIR
spectroscopy, and the influence of the weathering plastic
particles on the pH value of the surrounding water.
Understanding the degradation rate of MPs is an important
first contribution to assessing future environmental hazards
and damage that has already occurred.

2. MATERIALS AND METHODS
2.1. Experimental Setup. 2.1.1. Polymer Types. MP

weathering was simulated in three different water media for the
five most common MP types detected in the environment,19

each exposed to UV radiation and mechanical stress. High-
density polyethylene (HDPE), polypropylene (PP), polystyr-
ene (PS), polyethylene terephthalate (PET), and polyvinyl
chloride (PVC) pellets were exposed to Warnow River (WW)
water, Baltic Sea (BS) water, and South China Sea (SCS)
water. More detailed information on the polymer types used
for the experiment and an image of the experimental setup are
provided in Table 1 and Figure S1, respectively. Based on

Raman and ATR-FTIR spectroscopy measurements, MP
pellets were free of additives, except for PVC with high
calcium carbonate (CaCO3) contents.
2.1.2. Water Media. The SCS water was collected using a

seawater intake pump, while for the BS and WW water, a
bucket was used. The salinity of the collected water ranged
between 2.0 for WW water, 9.0 for BS water, and 27.5 for SCS
water. Immediately after collection, the water was filtered
through glass microfiber filters (Whatman, diameter 25 mm,
pore size 0.7 μm, CAT no. 1825-025) to remove micro-
organisms and reduce biological activity.
2.1.3. Mechanical Stress. For beach condition simulations,

quartz-rich sand from the Baltic Sea coast (beach in
Warnemünde) was collected, rinsed with ultrapure water,
and placed in the oven at 100 °C for 24 h for drying and

sterilization. One portion of the sand was analyzed for grain
size using Mastersizer 3000 with the associated software
Mastersizer-v3.72, resulting in an average mode of 585 μm. For
the weathering experiment, Erlenmeyer flasks made of
borosilicate glass (100 mL, DURAN, Germany) were used,
into which 20 g of the dry sand was added, covering the
bottom of the flasks. The different water types were divided
among the 15 flasks, resulting in five bottles containing 15 mL
of the same water media each. Finally, 100 plastic particles
were added to each flask, resulting in 15 flasks containing
another combination of water and polymer types. The polymer
types with a density lower than water (PE and PP) float on the
water surface, while the denser particles (PS, PET, and PVC)
sink to the sandy substrate covered by water. Subsequently, the
flasks were placed on a shaking plate agitating at 130 rpm 24 h
a day in circular rotation to exert constant mechanical stress on
the plastic particles. During the experiment, neither the heavy
nor the light polymer types were buried by the sand but were
constantly moved on the sand surface.

2.1.4. Light Irradiation. Three lamps were mounted 18 cm
above the shaking plate containing the samples to imitate
daylight: one daylight lamp without UV light (OSRAM L 18
W/950 daylight) and two UV lamps with UVA and UVB
components (Reptile UVB200 18 W Exo TERRA 24”/60 cm,
UV-Index 4.3 at 20 cm distance). The UVB radiation intensity
of all installed lamps considering the individual sample distance
to the light sources, reached 1.50−1.79 W m−2. This radiation
corresponds to UV-intense latitudes on sunny days as in
Indonesia (maximum: 2.17 W m−2, mean: 1.22 W m−2)31 but
is less than the global radiation under ideal conditions of 4 W
m−2.32 The resulting radiation conditions are similar to natural
sunlight and allow extrapolation for arbitrary regions with
known sunlight intensities. For borosilicate glass, the trans-
mission of light in the wavelength range between 310 and 2200
nm is negligible and accounts for 25% at 300 nm (clear glass,
DURAN product details). Terrestrial sunlight consists of
infrared, visible, and UV light with the smallest wavelength at
300 nm (UVB). The UVB content represents about 1.3% of
the entire solar spectrum,33 resulting in a negligible loss of
radiation by borosilicate glass. This was also confirmed by
measurements of the photon amount, with a mean of 111.4 μE
s−1 m−2 reaching the outer sample flask compared to 110.7 μE
s−1 m−2 passing the flask’s bottom glass. The lamp device was
covered with aluminum foil to avoid scattering. During the
experiment, sample flasks remained uncovered for natural
oxygen exchange and were refilled with ultrapure water once a
week to compensate for evaporation (∼3 mL). The water
temperature did not exceed 30 °C (24−27 °C).

2.2. Sampling. After exposure periods of 1, 2, 3, 4, and 6
weeks and 2, 3, 4, 6, 9, 12, 15, and 18 months, five MP pellets
were taken from each flask with stainless-steel tweezers,
respectively. These MP pellets were then rinsed with ultrapure
water, air-dried, and frozen for preservation (−20 °C) until
analysis. To exclude effects caused by the freezing process,
pristine plastic pellets were treated with the same procedure as
a reference. Currently, there is no information on how the
present moisture affects the microplastic particle surface during
a freezing process, which leads to the formation of tiny crystals
and thus can potentially affect polymer fragmentation.34 To
avoid this effect to the best possible extent, our samples were
dried before freezing.
At the end of the experiment, the 40 remaining pellets in

each flask were weighed and compared to 40 pristine MP

Table 1. Overview of Polymer Types Used in the
Weathering Experiment Containing Information about the
Polymer Provider, Particle Density, and Particle Size
Measured under the Microscope Using the Freeware
Software ImageJ 1.53o

polymer provider
density
[g m−3] size [mm]

PE CS Plastik GmbH, Germany 0.955 3.5−4.5
PP BASF Novolen 1101 M 0.910 3.5−4.5
PS BASF 143 E 1.050 3.0−4.0
PET Bühler bottle-grade recycled 1.340 3.0−3.5
PVC WestChemie Rigid PVC type 4122 1.560 3.8−4.2
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pellets to determine the weight changes. The results are
reported as the mean and standard deviation (±s.d.) calculated
from the 40 respective particles. Additionally, the water to
which the pellets were exposed was taken by glass pipettes and
filtered after the experiment time of 18 months (Whatman
Nucleopore Track-Etched Membranes WHA111107, 47 mm
diameter, 0.4 μm pore size). The loaded filters were transferred
into a glass Petri dish and air-dried under the fume hood
before weighing.
2.3. Surface Structure Analysis. To observe weathering

induced changes in particle surfaces, scanning electron
microscopy (SEM MERLIN VP Compact from Zeiss,
Germany) with Aztec software from Oxford Instruments
(Great Britain) with a magnification of 7000 to 30,000 and
confocal laser scanning microscopy (LEXT 3D Measuring
Laser Microscope OLS4100) with LEXT software at a
magnification of 50 were used. For SEM images, particles
were coated with carbon for conductivity and claimed in a
sample holder to avoid movements during microscopy. The
particle surface roughness was derived based on the confocal
laser scanning microscopy data. For each polymer type, water
media, and exposure time, three different particles (triplicates)
were measured at a horizontal resolution of 0.25 μm resulting
in an area of 256 × 256 μm (1024 × 1024 pixels). To
investigate roughness changes of particle surfaces, an averaged
2D power spectral density (PSD) was computed, which has
proven to be an essential tool to reflect spatial height variations
of distinct wavelengths.35,36 The entire calculation process of
PSD is declared in the Supporting Information (Figure S2).
Additionally, to the PSD, the root-mean-square roughness of
the surface (Sq) was computed in the time domain. All results
of PSD (in μm4) and Sq (in μm) are reported as a mean with a
standard deviation (±s.d.) resulting from the triplicate
measurements.
2.4. Determination of Functional Groups. Weathering-

induced changes at the polymer surface were detected by
Raman spectroscopy (LabRAM HR 800 Horiba Jobin YVON
coupled with an Olympus BX41 microscope) and attenuated
total reflection Fourier transform infrared spectroscopy (ATR-
FTIR, ALPHA II Bruker). Detailed information about the
measurement procedure is provided in the Supporting
Information. The obtained spectra were baseline corrected
using the KnowItAll Information System 2020 system. As the
spectral intensity may also depend on the particle surface
condition, peak intensities were determined in relation to a
stable reference peak in the same spectra. These used reference
peaks are 2882 (PE), 1463 (PP), 3054 (PS), 1461 (PET), and
1440 cm−1 (PVC) for Raman and 2910 (PE), 2920 (PP), 1452
(PS), and 730 cm−1 (PET) for ATIR-FTIR (assigned in Table
S1 in the Supporting Information). As the intensity of each
characteristic polymer peak of PVC changed over time in the
ATR-FTIR spectra, no reference peak was defined. For this
reason, the PVC spectra were normalized using the standard
normal variate (SNV) transformation,24 and the individual
peak intensities were used instead of the peak ratio for further
interpretation of functional groups. The carbonyl index (CI),
hydroxyl index (HI), and C�C bond index were calculated
using the maximum peak intensities at 1715−1717 cm−1,
3300−3400, and 1600−1680 cm−1 of the ATR-FTIR spectra,
respectively, relative to the respective reference peak
intensity.37 All results are reported as the mean, with the
standard deviation (±s.d.) calculated from the triplicate

measurements (three different particles with the same water,
polymer, and exposure time).

2.5. Determination of Contact Angles and pH. To
evaluate the changes in hydrophobicity at the MP surface, the
contact angles for all weathered and pristine pellets were
measured in triplicates using a binocular microscope (SteREO
Discovery.V8, Carl Zeiss, Germany) with a camera (SWIFT-
CAM Microscope Digital Camera SC500, 5.1 MP). For the
measurements, the defrosted and air-dried pellets were
transferred into a glass Petri dish under the microscope, and
a 2 μL droplet of ultrapure water was placed on the pellet using
an Eppendorf pipette. After 10 s, a picture was taken to
measure the contact angle for curved surfaces as described in
previous studies.38,39 The contact angles were determined
using the open-source image processing program ImageJ
v1.53o and were measured four times for each droplet (two
times on each side). The corresponding results are given as
mean values with standard deviation (±s.d.) calculated from
the triplicate measurements.
For pH measurement, the water remained after the

experiment was filtered (Whatman, diameter 25 mm, pore
size 0.7 μm, CAT no. 1825-025) to separate the aqueous phase
from MP fragments generated during the exposure time. The
filtrated water and untreated WW, BS, and SCS water were
transferred into a glass tube and measured using a pH meter
(WTW Series inoLab pH 720).

2.6. Data Analysis and Statistics. T-tests were performed
to evaluate peak intensities, contact angles, and surface
roughness within the weathering periods. This test was also
used to compare pellet weights and filtered particle masses
generated during the experiment before and after the
weathering experiment to identify potential differences
between the water media. To test for relations between the
exposure time and the contact angles, surface roughness, or
specific peak intensities from the Raman and FTIR spectra,
linear and quadratic regressions were implemented. These
regressions were carried out using the freeware program Past
3.20 (Hammer, Harper, D.A.T., Ryan, P.D. 2001). The
respective curves were assumed to be linear or quadratic
with R2 ≥ 0.50 and p ≤ 0.05 for the included variance F test
(95% confidence interval). In addition, ANCOVA tests (95%
confidence interval) were performed to account for significant
differences among the three different water media. The
confidence interval of 95% was also used for correlation tests
(Pearson), which were implemented with the freeware
software Python 5.2.2.

3. RESULTS AND DISCUSSION
3.1. Weight Loss and Surface Roughness. After the

total exposure time of 18 months, changes in particle
properties were visible for PS and PP pellets in all water
types. The PS pellets yellowed visibly after three months,
intensifying during the weathering process. Yellowing was also
frequently reported for PS in previous studies.37,40 The PP
pellets became progressively porous, and the water turned
visibly milky after nine months, which also intensified during
the exposure time. After 18 months, the PP pellet masses
differed significantly from the pristine pellet weights (mean
weight 26.10 ± 3.76 mg, n = 40) for WW water (mean weight
23.45 ± 4.10 mg, n = 40, p < 0.05) and SCS water (mean
weight 20.59 ± 3.78 mg, n = 40, p < 0.05) but not for BS water
(mean weight 24.83 ± 4.05 mg, n = 40, p > 0.05). Compared
to WW and BS water, the weight loss in SCS water was
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significantly higher. No significant mass changes were found
for all other polymer types after the exposure time, except for
PVC in WW water (mean weight 46.59 ± 11.84 mg, n = 40)
compared to the pristine pellets (mean weight 51.69 ± 10.41
mg, n = 40, p < 0.05). The mass of fragmented plastic particles
on the filter broken off during the exposure period confirmed
this finding for PP, with the highest fragment mass in SCS
water (5135.45 mg L−1), followed by WW (2936.00 mg L−1)
and BS water (348.85 mg L−1). This supports the assumption
that PP degrades fastest in SCS, followed by WW and BS
water. Due to their small size, the largest amount of
fragmented PP particles in the water was not possible to
measure under the Raman microscope individually but as a
mass (particle diameter <10 μm). SEM images of the PP
pellets revealed a high number of broken-out fragments
(secondary MP) on the pellet surface after 18 months (Figure
S3), varying in size but occurring most frequently in small sizes
below 2 μm. A similar observation for the generation of
secondary MPs or even nanoplastic formation at the polymer
surface had been previously made by Menzel et al.41 The
earlier fragmentation of PP compared to PE is also consistent
with previous observations.18 For other polymer types, no
fragments were detected on the pellet surface, and only a few

were found on the filter of the filtered water (0−5 items per
filter), with a low weight of this filtered material (≤1 mg). The
pellet and filter weights for all polymers and water types are
available in the Supporting Information Tables S2 and S3,
respectively. After sampling the water in which the MP
particles were exposed for 18 months, in addition to the
fragmented PP pieces floating on the water surface, there were
also particles observed floating in the water column and sinking
to the bottom of the vial after a short resting period. This
implies that the density of the pristine PP pellets (0.91 g m−3,
Table 1) increased for the generated fragments during
weathering, resulting in PP fragments that exceeded water
densities between 1.00 and 1.03 g m−3 (depending on salinity).
Due to the rapid decay of PP into small (<2 μm) sinking
fragments and the FTIR detection limit of 10 μm, large
amounts of PP in the aquatic environment may have been
underestimated.
In Figure 1, the surface roughness expressed as the PSD in

the frequency range between 4 × 10−3 and 1 μm−1 is given for
all analyzed polymers and water media over the exposure time.
No changes were observed for PE after 18 months. For PP, on
the other hand, roughness values increased with increasing
exposure time. Initially, fine, long cracks formed on the

Figure 1. PSD for the weathered and pristine (reference) MP pellets PE, PP, PS, PET, and PVC in color and the respective root-mean-square
roughness (Sq) over the exposure time in black for three different water media (Warnow, Baltic Sea, and South China Sea water). Error bars
represent the standard deviation (±s.d.) resulting from triplicates.
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polymer surface, which widened over time and eventually
generated deep holes (Figure S4). Depending on the water
media, these processes differ in their temporal occurrence. For
PP pellets exposed to BS water, the first cracks were observed
after 12 months in combination with small holes <30 μm in
their largest diameter. After 15 months, the size of the holes
has expanded to about 200 μm in length and 50 μm in width,
achieving the maximum length of ≥250 μm after 18 months. In
WW water, fine cracks, in combination with small flat holes
(2−3 μm in depth) formed earlier after nine months, result in
a strongly destroyed and brittle surface by the end of the
experiment. Stronger brittleness and elevated surface rough-
ness were recognized for PP exposed to SCS water with a
maximum roughness (Sq) after 15 months (Figure 1). After 18
months, roughness decreased in SCS water to a level similar to
nine months. Fragmentation of the uppermost weathered
polymer layer is likely the cause of the subsequent decrease in
the roughness of PP in SCS water after 18 months, as the
release of PP fragments into the surrounding water reveals the
unweathered and smooth subsurface layer. Combined with the
higher weight loss of PP in SCS water, this also suggests a
faster fragmentation in saltier water.
The analyzed particles of the three polymer types, PS, PET,

and PVC (Figure 1), having a higher density than freshwater or
seawater, decreased in their surface roughness with increasing
exposure time, indicating a significant surface abrasion by the
sand. This was particularly evident for PET and PVC, with
numerous artifacts on the particle surface prior to the
experiment that disappeared after 18 months of weathering
(Figure S4). Although PVC was abraded in all frequencies and
all water types very equally, PET was smoothed more
irregularly, with the strongest smoothing between 10−1 and 9
× 10−1 μm−1 (10−90 μm) in BS and SCS water. Although the

surface of the PS pellets was already smooth before the
experiment started, further smoothing was observed in all
water types, with the strongest effect at frequencies between 6
× 10−1 and 9 × 10−1 μm−1 (60−90 μm). However, no
significant differences were identified for PS, PET, or PVC
between the three applied water media.

3.2. Changes in Raman Spectra. To demonstrate
potential changes in the molecular polymer surface and to
verify the identifiability of the plastic pellets during weathering,
Raman spectroscopy was applied. Using the Raman spectros-
copy, stable and characteristic spectra were obtained for all
analyzed polymer types at every exposure time except for the
strong fluorescence observed for the grey-colored PET pellets
(Figure 2c).

3.2.1. Changes in PE Raman Signals. Starting with PE
pellets, no significant changes were determined for the most
important identification peaks, such as the C−C stretching
vibration peaks at 1060 and 1127 cm−1 or the bending
vibration of CH2 at 1293 and 1438 cm−1 relative to 2882 cm−1.
Contrary to this, the symmetric CH2 stretching vibration band
at 2848 cm−1 showed a significant decrease in BS and SCS
water (Figure 2a). This relation indicates the translocation of
the trans-oriented polymer chains from the noncrystalline to
the crystalline phase42 and the size of the crystalline phase
regions within the polymer.42,43 The ratio of the peak
intensities at 1418 (CH2 wagging vibration) and 1080 cm−1
(C−C stretching vibration), also signifying the crystalline
phases in relation to the amorphous phases of PE,43−45
increased over the exposure time for all water types (Figures 2a
and S6 in the Supporting Information). We found maximum
increasing factors of 1.12, 2.13, and 2.35 for WW (after 15
months), BS (after 15 months), and SCS (after 18 months)
water relative to the crystallinity of the pristine pellets,

Figure 2. (a) PE, (b) PP, and (c) PET Raman spectra for all analyzed exposure times for Warnow, Baltic Sea, and South China Sea water, with
changing peak intensities marked in gray areas.
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respectively. Additionally, a significantly steeper linear increase
for BS [slope: (6.886 ± 1.307) × 10−3] and SCS [slope: (7.489
± 1.474) × 10−3] water compared to WW water [slope: (2.172
± 0.701) × 10−3] was verified, suggesting a salinity-dependent
increase of crystallinity for PE. The increasing crystallinity
combined with the growing sizes of crystalline phases during
the experiment may accelerate the embrittlement and
accompanying progression of weathering of PE.44 Conse-
quently, the crystallinity can be considered an indicator of the
weathering degree, but due to the unknown initial crystalline

content of environmentally released PE, this approach was
discarded.

3.2.2. Changes in PP Raman Signals. For PP, no increase
in crystallinity was observed using the ratio of 809 to 841
cm−1.46−48 However, a decrease in the CH, CH2, and CH3
stretching vibrations at 2800−3000 cm−1 was recognized
(Figures 2b and S7 in the Supporting Information), signifying
chain scission within the polymer. A significant reduction in
peak intensity was found for all water types at 2839 and 2884
cm−1, SCS water at 2904 cm−1, and WW and SCS water at
2960 cm−1, with the steepest decrease for SCS water for all

Figure 3. (a) ATR-FTIR spectra of PE in the wavenumber range between 1600 and 1800 cm−1, characteristic for the functional groups C�C
(vinyl) and C�O (carbonyl), and between 3300 and 3450 cm−1, indicating −OH (hydroxyl) groups. The visualized spectra were smoothed and
normalized using the SNV normalization. (b) Carbonyl (C�O), hydroxyl (O−H), and C�C (vinyl for PE, PP, and PVC and aromatic for PS and
PET) bond indices for the five different polymer types (PE, PP, PS, PET, and PVC) and the three water types: Warnow River (WW) water, Baltic
Sea (BS) water, and South China Sea (SCS) water. The vertical lines represent the standard deviation (±s.d.) resulting from triplicates.

Environmental Science & Technology pubs.acs.org/est Article

https://doi.org/10.1021/acs.est.2c05746
Environ. Sci. Technol. XXXX, XXX, XXX−XXX

F



water types. Besides that, a very weak new band at 1724 cm−1
was detected after nine months in SCS and 12 months in BS
water, which significantly increased over the weathering time.
This peak, assigned to C�O stretching vibration modes,49

increased significantly stronger for SCS water than for BS
water. Based on the previously hypothesized degradation
pathway of PP with resulting ketones and olefins,17 weathered
PP was expected to increase at 1613 cm−1 (C�C bonds)49 in
its spectra. However, no increasing intensity was recognized
with Raman measurements.
3.2.3. Changes in PS Raman Signals. During the

experiment, the crystallinity of PS did not increase based on
the ratio of peak intensities at 773 and 798 cm−1.50 In addition,
contrary to previous studies in which PS were weathered with
UV radiation, no significant signal decreases or increases were
observed for the peaks at 392, 497, 526, 622 (ring deformation
mode), 1001 (ring breathing mode), 1286, or 1511 cm−1.51
3.2.4. Changes in PET Raman Signals. The interpretation

of PET peaks was rather complex due to the strong
fluorescence of the gray-colored PET pellets (Figure 2c).
However, despite this fluorescence, a significant linear decrease
in the peak intensities in 1726 cm−1 (C�O stretching
vibration52) for WW and BS was observes. Furthermore, a
significant linear increase for WW and BS water at 1094 cm−1
relative to 1115 cm−1 was recognized, which is responsible for
the crystallinity of PET53 (Figure S8). The linear regression
slopes for the crystallinity ranged between (8.790 ± 2.079) ×
10−4, (7.008 ± 1.514) × 10−4, and (6.629 ± 1.957) × 10−4 for
WW, BS, and SCS, respectively, with an increasing factor of
1.633 (WW), 1.645 (BS), and 1.635 (SCS) after 18 months
compared to the pristine pellets. Under similar weathering
conditions, this increase in crystallinity was also observed
previously by Oelschlag̈el et al.54 for PET (3%) and PE (4%)
analyzed with X-ray diffraction. However, the exposure time of
28 days was much shorter, resulting in increasing factors of
1.125 and 1.073 for PE and PET, respectively. For 28 days of
exposure time, we calculated increasing factors of 1.067 for PE
and 1.027 for PET weathered in SCS water, showing very
similar results to previously reported X-ray measurements of
PE and PET weathered in artificial seawater.54 These results
are consistent with observations by Menzel et al.,41 with an
increasing rate of 1.079 after 28 days for PE exposed to
artificial daylight (300−400 nm) after 28 days. However, they
used deionized water for their experiments and higher
temperatures (55 °C), making a direct comparison difficult.
In contrast to the increasing crystallinity of PE, the evaluation
of the linear regression lines for PET revealed no significant
differences between water types, indicating that salinity does
not affect the degree of weathering of PET.
3.2.5. Changes in PVC Raman Signals. According to

previous studies,52,55,56 PVC was assumed to have decreasing
chlorine (C−Cl) vibration peaks at 635 and 697 cm−1, a
declining C−H stretching mode at 2912 cm−1, as well as new
peaks at 1510 or 1597 cm−1 assigned to a C�C stretching
vibration56,57 as a result of dehydrochlorination.58 However,
our results showed no significant linear decrease or increase in
peak intensities in Raman spectra over the exposure time.
3.3. Changes in ATR-FTIR Spectra. With a higher oxygen

sensitivity of FTIR spectroscopy compared to Raman spec-
troscopy, changes in oxygen-containing functional groups, such
as carbonyl and hydroxyl groups, can be estimated with higher
resolution (Figure 3a). In the case of oxygen-free polymer
types (PE, PP, PS, and PVC), hydroxyl, carbonyl, and vinyl

groups are formed by weathering processes17,24,37,59 and are,
therefore, of particular interest in this work.

3.3.1. Changes in PE FTIR Signals. In FTIR spectra of PE,
we found a significant linear increase for the ketones peak at
1717 cm−1 over the exposure time, which is commonly used to
calculate the carbonyl index (CI) as an indication of the
weathering degree of plastic.26,60−62 This steady increase in CI
is also in line with previous studies.26,63,64 Results from
Brandon et al.37 showed fluctuating CI, which they attributed
to the ongoing fragmentation exposing less weathered plastic
from the particle interior to the surface. For the PE
examination in our study, no fragmentation occurred, but
fluctuations in CI were also observed within the first two
months, followed by a linear increase (Figure 3b). After 18
months, the lowest CI values for PE were measured for WW
water (0.056 ± 0.012) and the highest for SCS water (0.127 ±
0.024) (Figures 3b and S9 in the Supporting Information),
suggesting a faster increase in carbonyl functional groups for
SCS compared to BS and WW water. A similar dependence on
CI was found by Arias-Villamizar et al.65 for PE in freshwater
compared to seawater after outdoor weathering, revealing that
saltier water accelerates weathering. In addition to the CI, an
increase in C�C wag vibration intensities, with a strong
quadratic fit for BS and SCS water media at 911 cm−1 (BS: R2

= 0.702, p < 0.001; SCS: R2 = 0.771, p < 0.001) and 1640 cm−1
for SCS water (R2 = 0.867, p < 0.001) was observed. However,
no increase in WW water (Figure 3b) was recognized. The
hydroxyl index (HI) showed no increase over the total
experiment time but increased significantly between the first
and third weeks and decreased back to the reference level
within the first month (Figure 3b). This intervening
appearance of hydroxyl groups indicates an unstable
intermediate that continues to react as weathering proceeds.
During this first week, the HI was significantly higher for PE
weathered in SCS water followed by BS and WW water,
implying the fastest generation of hydroxyl groups in SCS
water followed by BS and WW water (Figure 3a,b). Based on a
three-year roof-top experiment by Brandon et al.,37 weathering
PE in seawater under outdoor conditions, the HI ranges
between 0 and 0.3 with several increases and decreases during
the weathering time. The calculation pathway for the HI was
the same as in our study, but we found no variations at
exposure periods longer than one month and calculated lower
HI values after five months and one year. Additionally, the
initial increase within the first month cannot be compared to
this previous work due to the lack of available data for this
period. In contrast, the hydroxyl peak of highly degraded PE
particles collected by Veerasingam et al.66 from the coast of
Goa, India, was lower, fitting well with our findings after
exposure times >1 month.

3.3.2. Changes in PP FTIR Signals. For PP, the CI also
increased significantly and linearly for all water types (Figure
S10). Although linearity was present, a slight decrease was
recognized after 12−15 months, resulting in weaker regression
coefficients between 0.362 and 0.619. For SCS, the maximum
CI was reached after 12 months with 0.612 ± 0.828, whereas
in WW and BS water, the highest CI was achieved later, after
15 months, with 0.614 ± 0.569 and 0.570 ± 0.195,
respectively. Similar observations were made for the roughness
spectra, with fragmentation occurring 3−6 months faster in
SCS than in WW or BS water. For HI, there was an early
increase in the first 1−2 weeks, decreasing after 4−8 weeks,
and increasing very slightly again from the sixth month. This
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indicates the first generation of hydroxyl groups as an
intermediate similar to PE, followed by a new generation of
hydroxyl groups at newly exposed polymer layers caused by the
fragmentation of PP. Brandon et al.37 made a similar
observation for HI and CI, except for the initial increase in
HI in the first five months due to the lack of data points.
Similar to PE, we observed a significantly higher HI for SCS
and BS water than WW water for PP after the first week, also
suggesting an earlier and more intense degradation pathway in
SCS water.
Moreover, a significant linear increase in the C�C peak was

seen for all water media, with a weakening increase after nine
months (Figure 3b). In contrast to PE, the C�C signal for PP
increased much earlier and in parallel with the CI, suggesting a
different degradation pathway for both polymer types. Due to
the high standard deviation caused by the pellet fragmentation
of PP, no significant changes were demonstrated for CI and
C�C bands with weathering time between the three water
types. As ATR-FTIR spectroscopy probes the near-surface
region of the polymer pellet only,67 weathering progress
cannot be reliably detected after fragmentation.
3.3.3. Changes in PS FTIR Signals. The CI for PS was not

linearly or quadratically increasing over the exposure time
(Figure S11). Instead, we observed an increase in the first days,
which fell back to the initial level until three months, increased
again to form a plateau, and fell again after 15 months (Figure
3b). The maximum CI value already occurred after the first
three weeks for BS water (0.589 ± 0.174). In WW and SCS
water, the maximum CI was reached much later at, 12 months,
with 0.600 ± 0.274 and 0.723 ± 0.081, respectively. A similar
development was observed for the aromatic C�C bonds at
1493 cm−1, which was strongly negatively correlated to the
aliphatic CH bonds at 2914 cm−1 for WW (|r| = 0.841, p <
0.001) and SCS (|r| = 0.770, p = 0.001) water. This indicates a
significant backbone chain scission with the generation of free
aromatic and carbonylic compounds, as suggested by Gewert
et al.,15 but with strong fluctuation. More stable growing CI for
PS was examined by Liu et al.,26 but in this research, samples
were taken after 5 and 11 months only. Fernańdez-Gonzaĺez et
al.59 found a first increase followed by a decrease in CI values,
explained by the loss of volatile bonds or surface
fragmentation. As we did not observe fragmentation at the
PS pellet surface, the formation of volatile or soluble
compounds is the preferred explanation for these fluctuating
peak intensities of carbonyl and CH bonds, which leave the
polymer surface once they reach a soluble size.

3.3.4. Changes in PET FTIR Signals. In PET spectra, we also
found no significant linear increase or decrease for all
potentially changing bands (Table S1). Peak intensities
fluctuated strongly during the exposure time, making the
regression coefficients low (<0.4), especially for the aromatic
C−H (870 cm−1) as well as aromatic and aliphatic C−O bond
intensities (1245 and 1100 cm−1) (Figure S12). Such strong
fluctuations were also observed by Fernańdez-Gonzaĺez et al.59

but with progressive roughness of the polymer surface. In the
study by Ioakeimidis et al.,68 in which PET bottles were
investigated that aged for 1−18 years in the marine
environment, decreasing or disappearing intensities were
observed in the FTIR spectra for all functional oxygen groups
and characteristic aromatic compounds. Such strong effects
were not detected within the period of our study.

3.3.5. Changes in PVC FTIR Signals. The PVC spectra
changed rapidly and strongly, making identification with ATR-
FTIR difficult. In addition, large amounts of additives,
commonly used in large quantities for PVC (up to 60%69),
make the spectra ambiguous due to overlaps. In the current
study, the calcium carbonate (CaCO3) additive in the PVC
pellets overlapped the reference spectra at wavenumbers <1500
cm−1. However, after the first week, the CaCO3 peaks were
weakened or disappeared in the PVC spectra by dissolution.
Besides the CaCO3 peaks, also the C−Cl peak disappeared
during the first two weeks, which was visible in the reference
spectra at 617 cm−1.
Additionally, the CH bands between 2800 and 3000 cm−1

weakened after the first increase and disappeared after three
months. However, they reappeared after a total exposure time
of nine months, resulting in a strong dependence on a
quadratic function for all water types (Figure S13). A similar
occurrence was observed for the CI with a negative correlation
to the CH groups for WW and SCS water. The CI increased
until the fourth week, weakened until the eighth week, grew
again until nine months, and decreased for all later measure-
ments. The CH bands at lower wavenumbers (1254 and 1334
cm−1) with the carbon also connected to chlorine developed
similarly to the C−Cl (617 cm−1) curve, indicating strong and
rapid molecular rearrangement at the PVC surface layer.57 It
can be assumed that the initial release of chlorine after the first
week drives the formation of new carbonyl, polyene, and
alkene compounds in the same week. Similar results have been
observed previously in high-temperature PVC degradation
experiments measured with Raman, in which the evolution of
hydrochloric acid was observed as an accelerating weathering

Figure 4. pH values before (ref) and after the exposure time of PE, PP, PS, PET, and PVC in the Warnow, Baltic Sea, and the South China Sea
water. The error bars show the potential measurement errors of the pH meter.
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product.55,58,70−72 These observations agree well with the
reaction pathway proposed by Wang et al.57

3.4. Contact Angles and pH. After an exposure period of
9 to 12 months, the contact angle of PP increased in all water
types (Figure S5), with the sharpest increase in SCS and WW
water. This late increase was attributed to the strong
fragmentation at the polymer surface. Besides that, for PP,
PE, and especially for PVC, a sharp decrease was recognized in
the first week, going along with increasing hydroxyl bands at
the same time (Section 3.3). As the contact angle for these
polymers did not increase to this initial level again, but
hydroxyl signals disappeared (Figure 3b), the transformation of
the polar hydroxyl groups to also polar carbonyl groups of a
higher binding energy73 is evident.
Comparing the pH values of the three water media before

weathering the plastic pellets and after the experiment, no
changes were detected for PE, PS, PET, or PVC (Figure 4).
Minor changes in pH were expected due to potential impacts
of the sand, air, or ultrapure water to compensate for
evaporation. For all water types and polymers, the pH was
about eight before and after exposure time, except for PP. PP
instead strongly decreased the pH over time in all water media,
and a distinct acetic acid odor was perceptible. Acetic acid and
other degradation products, such as acetone, have been
detected previously,62 but the impact on pH has never been
considered. Due to the logarithmic dependence of pH, this
change signifies a four- to nine-fold increase in H3O+ ions
induced by PP compared to untreated water types. Assuming
that the formation rate and the release of acidic degradation
products remain uniform despite fragmentation, the pH of 1 L
of water containing 174 g PP pellets would decrease by one
after about one year. However, due to the ongoing

fragmentation, which leads to a higher area-to-volume ratio,
an increasing release of degradation products can be assumed.

3.5. Environmental Implications. After weathering MPs
under simulated beach conditions, changes were observed for
all five polymer types after 18 months (Figure 5). By using
different degradation indicators such as the CI, HI, C�C
content, roughness, or contact angle, differences in degradation
pathways between the polymer types PE, PP, PS, PET, and
PVC were also found. We additionally revealed that salinity
impacts the degradation rates of the two most frequently
manufactured polymer types, PE and PP.19 These findings
indicate that salinity should also be considered in estimates of
the weathering degree of MPs collected in the environment.
Apart from this, we found further hurdles in determining the
weathering degree. Due to fluctuations, the common usage of
CI26,60−62 may lead to misinterpretations. Based on the linear
progression of the CI, the weathering degree can solely be
estimated for PE for environmental samples. However,
incalculable environmental effects such as biofilms, plastic-
degrading microorganisms, or material properties such as
additives may also influence weathering progress.
Additionally, the CI has been differently calculated between

the studies, using different reference peaks, or integrating an
absorbance range instead of specific peaks or peak maxima,
hindering the comparison between studies.26,37,74 Here, we
used the same calculation as Liu et al.,26 conducting an
outdoor weathering experiment in Shanghai for 11 months in
previously filtered freshwater with additive-free PE spheres, as
used in our study. They calculated a CI of 0.02 for PE after 11
months. Considering the average monthly sunshine hours in
Shanghai, which range from 5.3 h in January to up to 10.3 h in
July, this corresponds to a total irradiation time of 2565 h.

Figure 5. Summary of changing features for the five analyzed polymer types (PE, PP, PS, PET, and PVC). Black arrows signify increasing (↑) or
decreasing (↓) changes. Bold X demonstrates that features changed but were not reliably measurable after this change. The colored vertical arrows
(↑) amplify a temporal change in this feature, the horizontal double arrow (↔) shows a change that subsequently stabilizes (plateau), and the
single horizontal arrow (→) signifies an ongoing change (a linear increase over time).
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Compared to our experiment, this irradiation time was already
reached after 3−4 instead of 11 months with a CI of 0.029−
0.34 ± 0.013 for freshwater (WW water). Although, in the
current study, artificial weathering simulations of MPs were not
absolutely equal to natural conditions, as no temperature or
light alterations occurred, and no biofilm formed on the
particle surface (observations by SEM images), our results are
close to that of the outdoor experiment. This comparison
demonstrates the applicability of the weathering simulation
experiment implemented here, which allows observation of
weathering pathways and associated lifetimes of different
polymer types in the environment.
Regarding particle stability, PP was the least stable polymer

of all five tested types, which was also observed in previous
studies.18,28,37 Weathered MPs can release numerous environ-
mentally harmful degradation products,15 resulting in a
significant pH decrease in the case of PP. Considering the
current massive plastic pollution in the oceans,75,76 these
degradation products may contribute to ocean acidification
and threaten the marine ecosystem. Another important finding
was the generation of PP fragments that are positive, neutral,
or negatively buoyant. This observation extends the current
knowledge on detecting polymers lighter than seawater on the
seafloor.77,78 Previous studies assumed that low-density MPs
sink through the water column into the deep sea through
biological contributions such as biofouling,79,80 aggregation,81

or incorporation into marine snow.82,83 However, with this
current study, we showed that the advanced abiotic weathering
alone could cause the MPs to sink. A further important
observation was the size of the generated PP fragments, with
the majority below 10 μm in diameter. This particle size is
outside the range detectable by currently applied Raman or
FTIR spectroscopy methods (minimum size of 10 μm),
resulting in the majority of secondary PP remaining undetected
in the environment.
For determining PVC in environmental samples, we

additionally advise avoiding the detection method by ATR-
FTIR due to rapid chloride cleavage at the pellet surface after
the first week, which restricts the identification success. A
similar observation was previously made by Hendrickson et
al.84 in which PVC measured by pyrolysis-gas chromatography-
mass spectrometry (pyr-GC/MS) was identified as PE by
ATR-FTIR. This huge potential underestimation of PVC
abundances caused by the ATR-FTIR method could explain
the low levels of PVC detected in environmental samples
compared to the high production rates, as discussed in
Reineccius and Waniek.85

The recent findings of our experiment contributed to a
better understanding of degeneration characteristics for a wide
range of MP particle types, which commonly occur in the
aquatic environment. Degradation rates provide insight into
the actual abundance of MPs in the aquatic environment.
Therefore, they may be of great importance for modeling
global plastic levels and tracking the fate of MPs in the ocean.
However, due to the complexity of this research topic, we
could only address the degeneration parameters of salinity and
realistic solar radiation. Therefore, further investigations are
necessary to consider additional impact factors such as
temperature fluctuations and biological processes or degener-
ation processes of plastic in the absence of solar radiation, like
in the deep sea. Finally, a comprehensive understanding of the
fate of this popular anthropogenic product may raise awareness

about the use of plastic in everyday life and its potential
environmental threats.
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