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• Geometric mean of local Kd values gives
best estimates of field effective Kd.

• Geochemical modelling provides a unique
understanding of As retention mecha-
nisms.

• Field-spatial scaling effects highlight
within-site subsurface heterogeneities.

• Laboratory-to field scaling effects high-
light sampling and measurement issues.
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While geogenic arsenic (As) contamination of aquifers have been intensively investigated across the world, the mobi-
lization and transport of As from anthropogenic sources have received less scientific attention, despite emerging evi-
dence of poor performance of widely used risk assessment models. In this study we hypothesize that such poor
model performance is largely due to insufficient attention to heterogeneous subsurface properties, including the hy-
draulic conductivity K and the solid-liquid partition (Kd), as well as neglect of laboratory-to-field scaling effects. Our
multi-method investigation includes i) inverse transport modelling, ii) in-situ measurements of As concentrations in
paired samples of soil and groundwater, and iii) batch equilibrium experiments combined with (iv) geochemical
modelling. As case study we use a unique 20-year series of spatially distributed monitoring data, capturing an
expanding As plume in a Chromated Copper Arsenate (CCA)-contaminated anoxic aquifer in southern Sweden. The
in-situ results showed a high variability in local Kd values of As (1 to 107 L kg−1), implying that over-reliance of
data from only one or few locations can lead to interpretations that are inconsistent with field-scale As transport. How-
ever, the geometric mean of the local Kd values (14.4 L kg−1) showed high consistency with the independently esti-
mated field-scale “effective Kd” derived from inverse transport modelling (13.6 L kg−1). This provides empirical
evidence for the relevance of using geometric averaging when estimating large-scale “effective Kd” values from local
measurements within highly heterogenous, isotropic aquifers. Overall, the considered As plume is prolonged by
about 0.7 m year−1, now starting to extend beyond the borders of the industrial source area, a problem likely shared
with many of the world's As-polluted sites. In this context, geochemical modelling assessments, as presented here, pro-
vided a unique understanding of the processes governing As retention, including local variability in, e.g., Fe/Al-(hydr)
oxides contents, redox potential and pH.
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1. Introduction
Arsenic (As) is a ubiquitous contaminant in soil and groundwater and is
recognized as a worldwide problem due to its significant risk to public
health. High concentrations of geogenic As in groundwater have been re-
ported in many regions around the world, particularly in some large river
deltas in Southeast Asia (e.g., Charlet et al., 2007; van Geen et al., 2008;
Wallis et al., 2020). The behavior of geogenic As in soil and groundwater
has been intensively studied over the last two decades, due to its wide oc-
currence, its complex chemistry and the serious threat it poses to drinking
water resources (e.g., Guo et al., 2014; Mariner et al., 1996; O'Day et al.,
2004; Stopelli et al., 2020). In addition, agricultural, mining, industrial ac-
tivities as well as hazardous waste disposal have introduced large amounts
of anthropogenic As into the environment, whichmight leach to groundwa-
ters and aquatic environments (Carraro et al., 2015; Chatain et al., 2005;
Ganne et al., 2006; Nadiri et al., 2018; Sbarbati et al., 2020). Mobilization
of As might be also triggered by introducing anthropogenic organic carbon
into aquifers, e.g. at landfills (Keimowitz et al., 2005) and petroleum-
impacted sites (Cozzarelli et al., 2016). Industrial use of chromated copper
arsenate (CCA) is one of the major anthropogenic sources of As in soil and
aquatic environments (Morais et al., 2021; Nriagu et al., 2007). CCA has
been utilized in the wood impregnation industry since the 1930s and be-
came increasingly popular in the late 1980s (Saxe et al., 2007). Although re-
strictions have been imposed on the use of As in wood preservation since
the early 2000s (e.g. European Commission Directive 2003/2/EC), the leg-
acy of such sources still pose important threats to the environment (Hopp
et al., 2006; Morais et al., 2021; Smedley and Kinniburgh, 2013). Whereas
a large number of studies have concerned geogenic As, investigations re-
lated to impacts of anthropogenic As including CCA-contaminated hotspots
are less frequent and have mainly focused on laboratory-scale leaching and
mobilization studies (e.g., Andersen et al., 1996; Jang et al., 2002; Nakiguli
et al., 2020).

A key issue related to anthropogenic As contamination is whether or
not, and at which pace, contaminant plumes may develop in groundwater
downstream of the original spatially limited source area. For instance, a sys-
tematic evaluation of hundreds of sites severely contaminated by metals
(including As; Augustsson et al., 2020) showed generally poor performance
of models that assessed the risk of exceeding regulatory limit values for
groundwater quality. In natural groundwaters, As mainly occurs in inor-
ganic As(III) or As(V) form, with the more mobile As(III) prevailing under
anoxic conditions and less mobile As(V) predominating in oxic waters
(Oremland and Stolz, 2003; Smedley and Kinniburgh, 2002). One major
factor governing As mobility is sorption, leading to retardation of As com-
pared to groundwater flow. Low sorption and high Asmobility is associated
with risk of development of lengthy plumes downstream of the original
source zones. This implies aggravation of environmental impacts from an-
thropogenic As sources over time, which additionally may be accelerated
by climate change effects (Jarsjö et al., 2020). Sorption can be assessed
by the solid-liquid partitioning (Kd). A common approach is to assume a lin-
ear sorption isotherm, i.e. the constant Kd approach, which is frequently ap-
plied due to its simplicity and easy integration into variousmodels (Degryse
et al., 2009; Stockmann et al., 2017). The constant Kd is calculated as the
ratio of the solid-phase concentration to the liquid-phase concentration,
where the solid-phase concentration is represented either by the total As
concentration (Mariner et al., 1996; Yang et al., 2012) or by the “exchange-
able” As concentration estimated by extraction with phosphate (Guo et al.,
2014; van Geen et al., 2008) or oxalate (Davies, 2022).

To determine Kd values for As, the most widely used methods include
measurements of As concentration in paired samples of solid-phase mate-
rial and groundwater (e.g., Ni et al., 2016; van Geen et al., 2008) and/or
laboratory batch equilibrium tests (e.g., Blaisi et al., 2019; Jung et al.,
2012). However, Kd values are highly dependent on geochemical proper-
ties, including solid-phase (e.g., content of Fe and Al hydroxides) and
liquid-phase properties (e.g., pH, redox potential). The Kd value will there-
fore be “conditional” and change with time if conditions change. Further-
more, in contrast to coupled reactive transport models (e.g. Stolze et al.,
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2019), the Kd approach gives no information on the reaction mechanism
(s) involved in controlling the solubility of an element (surface complexa-
tion, mineral precipitation/dissolution etc.). In this respect, geochemical
models (e.g., equilibrium models MINTEQA2, Visual MINTEQ) can be
used as complementary tools to support Kd evaluations, by revealing
the underlying solubility control mechanisms. Alternatively, geochemi-
cal equilibrium models can be used to generate realistic “conditional”
Kd values applicable to the geochemical conditions prevailing at the
study site of interest.

Due to heterogeneous geochemical and hydrogeological properties of
the subsurface, Kd values and As retention may exhibit considerable
within-site spatial variabilities (Michael and Khan, 2016). Differences in
geochemical conditions may generate Kd values which differ by orders of
magnitude (Smedley andKinniburgh, 2002). Also, possible geological strat-
ification (layering) of aquifers and the random presence of high-
permeability structures (e.g., macro-pores that greatly enhance water
flows) will determine the large-scale hydraulic conductivity (K) of the aqui-
fers as well as the transport properties of substances in the aquifers. As a re-
sult, the large-scale “effectiveKd”, which represents the overall As retention
in the aquifer, may differ considerably from the local Kd values derived
from laboratory-scale studies. This hence raises questions regarding sample
representativeness and systematic scale differences. However, in heteroge-
neous aquifers, such effective values of K and Kd may instead be derived
from inverse modelling of substance breakthrough curves (concentration-
time series) obtained by groundwater measurements downstream of a
source area (U.S. EPA, 1999). In contrast to laboratory tests, such an inverse
approach will yield an “effective Kd” for the whole site or aquifer, incorpo-
rating both hydrogeological and geochemical heterogeneities that com-
monly are well hidden from observation.

In this study, we hypothesize that heterogeneities in subsurface proper-
ties in the field may lead to considerable differences in local Kd values and
As retention. These spatial, temporal and laboratory-to-field scaling effects
have rarely been clarified in scientific literature to date, and may prevent
robust risk assessments of contaminated sites. We also hypothesize that a
better understanding of such scaling effects would support the robust esti-
mation of an “effective Kd” representative of entire aquifers. To test these
hypotheses, addressing also the robustness of alternative estimation
methods, we used a multi-method approach to derive different estimates
of “effective Kd” values for As in an anoxic aquifer, by combining data
from local soil and groundwater measurements, batch experiments, chemi-
cal equilibrium modelling, and field-scale inverse transport modelling.
A CCA-contaminated site in southern Sweden with in-situ observations
of As plume development over a 20-year period was selected as
case study area. The main objectives were 1) to evaluate a multi-
methodology for Kd estimation for As at a pollution hotspot, 2) to assess
the main hydrogeological and geochemical parameters influencing the
long-term (multi-decadal) transport of As in the aquifer, and 3) to deter-
mine a representative Kd value for field scale transport of As taking into
account spatial, temporal and laboratory-to-field scaling effects.

2. Site description

2.1. Location and hydrogeological context

The CCA site is a formerwood preservation plant located inHjältevad in
southern Sweden (Fig. 1). The facility covers an area of approximately
5.3 ha, largely surrounded by residential buildings except for some forested
land to the east. Lake Hjälten and River Brusaån are located about 300 m
north of the facility, with the latter flowing from the lake in the west to
the northeast of the area. The facility was built on an almost flat ground
with an altitude of about +168 m a.s.l. (RH 2000). The bedrock consists
of granite, with depths ranging from about 18 to 38 m. The soil consists
mainly of glaciofluvial deposits, that were gradually built up in layers of
sand, gravel and silt. Sand is the dominant fraction at all levels, with the
proportion of coarse sand decreasing with depth and the proportion of
fine sand and silt increasing with depth. This has been confirmed by drill



Fig. 1.. Location and hydrogeological map of the study area.
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core sampling at the study area, showing gradually decreasing grain size of
the soil with depth (see details in Supplementary, section 1).

The aquifer is a shallow unconfined aquifer located within the gla-
ciofluvial sediments, with an average groundwater depth of approxi-
mately 3 m (+165 m a.s.l.) at the former wood preservation facility
(Fig. 1). A groundwater level contour map produced by triangulation
based on groundwater level measurements in the study area (Fig. 1)
shows that the aquifer is naturally drained by the Brusaån River and
that the groundwater flow has a general northwestern direction. The cli-
mate in the region is warm and temperate with an average annual tem-
perature of 6.3 °C and an average annual precipitation of 700 mm,
according to values for the period 1991–2020 from Swedish Meteoro-
logical and Hydrological Institute (SMHI).

2.2. Arsenic in the study area

The dominant CCA product used at the impregnation plant throughout
its operating period (from1949 to 1985)was BolidenK33,which contained
34.0 % of As2O5, 26.6 % of CrO3, 14.8 % of CuO and 24.6 % of water. The
major impregnation equipment was located in the center of the facility,
with a large underground steel tank for the storage of CCA solution
(Fig. 1). The tankwas in use until a leakwas discovered in 1968, which con-
stitutes the main source of As pollution in soil and groundwater. In addi-
tion, contaminants have also spread through spills and drips from the
impregnation equipment and/or from the impregnated products along
transport routes and in storage areas. However, while significant amounts
of CCA reached the aquifer due to the leak, the spills and drips have mainly
impacted the upper soil layers. After the leakage was discovered in 1968,
attempts were made to remediate the area using the “pump and treat”
method from 1968 to 1993. Additionally, remediation was carried out
in 1997 by an on-site ex-situ soil washing method. The surface soil was ex-
cavated in layers of 0.1 m until As concentrations did not exceed
40 mg kg−1. Around the storage tank, the soil was excavated to a depth
of 10 m below the ground surface within an area of approximately 800
m2 (Fig. 1). Excavated soil with As content >40 mg kg−1 was treated in a
soilwashing plant. The deep excavated zonewas backfilledwith uncontam-
inated soil. Washed soil, together with excavated soil containing low levels
of As (<40 mg kg−1) were deposited on the remediated site, laying out a
hill reaching a height of 5–7 m above the original ground surface (Fig. 1).

After the soil washing in 1997, a continuous rise of As concentration in
groundwater has been observed from amonitoring well (TB8) downstream
the former CCA storage tank (Fig. 2), indicating a considerable residual
3

pollution in the former hotspot area. Monitoring based on a network of
39 observation wells from 2017 to 2021 has identified a large pollution
plume of about 20,000m2with groundwater As concentration> 10 μg L−1.
The current source zone with As content in solid material above
50 mg kg−1 includes the area around, below and immediately downstream
the deep excavated zone (Fig. 2). Vertically, As has mainly been detected in
groundwater at 5–14 m depth with the highest concentrations at around
10 m depth (i.e. depth of the deep excavation), whereas very low concen-
trations (< 10 μg L−1) has been observed in shallower (above 5 m) and
deeper zones (below 14 m). The current study focuses on the depth range
where the majority of the plume is located.

3. Methodology

3.1. Overall strategy and data evaluation

A range of hydrological and geochemical parameters were measured
and analyzed to enable understanding of main factors influencing the
long-term Asmobilization in the aquifer. To evaluate As mobility including
its solid-liquid partitioning at different scales, the following strategy was
applied: 1) inverse modelling (IM) of As transport by calibrating a reactive
transport model to match long-term field observations of As spreading in
the aquifer downstream of the main source area, generating a field-scale
“effective Kd ” (Kd (IM)); 2) evaluation of in-situ As concentrations in paired
samples of soil and groundwater, including calculation of local field Kd

values in groundwater (GW) at individual sampling points (Kd (GW));
3) batch equilibrium tests under oxic conditions performed with the col-
lected soil samples, generating laboratory-oxic (LO) Kd values (Kd (LO));
4) generation of laboratory-anoxic (LA) Kd values (Kd (LA)) corresponding
to field conditions using a geochemical model calibrated on data from the
batch tests. Results obtained from the different methods were compared
and interpreted, with the aim to clarify methodological robustness and
potential scaling effects on estimated Kd and the field-scale transport
of As. Furthermore, the potential systematic biases in As mobilization-
retardation estimation associated with different statistical measures were
investigated, considering arithmetic averaging (relevant for non-skewed
distributions of flow and transport parameters), geometric averaging (rele-
vant for the skewed log-normal distribution that point samples of K or Kd

can display; Persson et al., 2011; Sanchez et al., 2006), and harmonic aver-
aging (e.g., yielding representative K-values in layered or strongly aniso-
tropic media when the main flow direction is perpendicular to the layers;
Bear, 1975; Sanchez et al., 2006).



Fig. 2..Arsenic pollution in the study area: (a) As plume delineation, source zone of As after soil washing and location of the observationwells; (b) Observed As concentration
in well TB8 from 1997 to 2021.
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3.2. Sampling and analysis

Soil samples (1m soil cores) were collected in 2017 by vibration drilling
(Rotosonic) in seven sampling points well spatially distributed within and
downstream of the current source zone (1705, 1708, 1709, 1711, 1712,
1713 and 1715; Fig. 2) at 7–14 m depth, i.e. the depth where the majority
of As plume was located. The total As content in soil samples was analyzed
by ICP-SFMS after digestion with 7 M HNO3. The concentrations of poorly
crystalline Fe and Al (hydr)oxides in soil as well as the “geochemically ac-
tive” fraction of As (i.e. the fraction participating in adsorption/desorp-
tion processes) were estimated by oxalate extraction of dried and sieved
sediment according to ISO 12782-3 (ISO, 2012). The oxalate extractable
As was used to represent the solid-phase concentration in all Kd calcula-
tions in this work. The total organic carbon (TOC) in soil was deter-
mined by combustion after inorganic carbon (TIC) being removed by
acid (EN 13137–2001).

For groundwater sampling, polyethene pipes with 1 m screens were
installed at the corresponding depths of the soil samples. Groundwater
levels were measured with light-acoustic-solder and water samples were
collected by an electrical submersible pump each autumn from 2017 to
2021, except in wells 1712 and 1713 that were not sampled in 2021. Dur-
ing all the sampling campaigns, redox potential and pH of groundwater
were measured in the field with aWTW pH/ORPmeter. Groundwater sam-
ples for analysis of total concentrations of As, Ca, K, Mn, Mg and P were fil-
tered through 0.45 μm single-use filters in the field, preserved with 1 %
HNO3 and analyzed with Inductively Coupled Plasma (ICP) sector field
mass spectrometry or ICP atomic emission spectroscopy. For determination
of As(III), groundwater was passed through an As speciation cartridge
(MetalSoft Center) and preserved with 1 % HNO3 prior to analysis with
ICP. Dissolved organic carbon (DOC) was analyzed by catalytic combustion
and infrared detection after removal of inorganic carbon, P-PO4 by ammo-
niummolybdate spectrometric method and alkalinity by titration with HCl
to pH 5.4. All analyses were performed at a quality accredited laboratory
(ISO/IEC 17025:2005).

Slug tests were performed in 2017 and 2018 at 9 test points within the
level range of 6–16 m to determine the hydraulic conductivity (K) at differ-
ent depth. The tests were carried out using Geoprobe's slug test kit and both
rising head and falling head tests were conducted at each point. The
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obtained data were analyzed using the mathematical model by Hvorslev
(1951). For grain size analysis, vertical core samples of 1.5 m length were
taken from 4 sampling points, together covering the level range of
2.8–16.8 m. Grain size distributions of borehole sediments were deter-
mined by sieve analysis. The result was used for K estimation based on
Gustafson's empirical equation (Gustafson, 1983):

K ¼ E uð Þ � d102 (1)

where d10 is the particle size (mm)< 10% of the sample volume and E(u) is
a function of d10/d60. The Gustafson's equationwas used since it is a general
method which depends solely on the grain size distributions and is well
adapted to glaciofluvial deposits (Kitterød, 2008). In addition, the validity
of Gustafson's equation has been confirmed by a number of previous studies
(e.g., Alfnes et al., 2004; Al-Salem et al., 2020; Lind, 1999).

3.3. Inverse reactive modelling of As transport

The inverse reactive modelling of As transport was based on the
Advection-Dispersion-Reaction (ADR) equation. We depart from the fact
that the advective breakthrough for inert substances per definition occurs
at time t:

t ¼ L
v
¼ L � ne

K � I (2)

where L is the distance from the source zone, v is the downgradient average
pore water velocity, K is the hydraulic conductivity, I is the hydraulic gradi-
ent and ne is the effective porosity. The basic methodological principle used
in this work is that, if the advective – dispersive transport properties of an
aquifer are known along with the source concentration (C), the retardation
factor (R) describing the net retardation of reactive substances due to their
sorption on soil particles can be back-calculated by curve-fitting to an ob-
served breakthrough curve, as illustrated from the analytical solution of
the 1D ADR equation (see Supplementary). Assuming equilibrium, R can
be related to Kd as (Gillham et al., 1984; U.S. EPA, 1999):

R ¼ 1þ Kd ∙ρb
ne

(3)
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where ρb is the bulk density and ne is the effective porosity. The analytical
solution also showed that K and C are key variables governing the inverse
modelling estimates of R and Kd, whereas the dispersion coefficients have
smaller impacts on the results within their well-established possible range.

Practically, the 3D reactive transport of As in the Hjältevad aquifer was
simulated numerically, coupling the groundwater flow model MODFLOW
(Harbaugh, 2005) and the solute transport model MT3DMS (Bedekar
et al., n.d.) within GMS 10.4 (Aquaveo, 2007). The general transport pa-
rameters used in the numerical model are summarized in Table 1. A map
of themodel domain and grid distribution is shown in Supplementary. Con-
stant head BC (boundary condition) was assigned for the Brusaån River
(outlet of the model). No-flow BC was used for the two long sides of the
model domain, which were roughly along the direction of groundwater
flow. Constant-flux BCwas assumed for the inlet of the model, representing
groundwater inflow from upstream. The groundwater flow was calibrated
by adjusting the groundwater inflow at the inlet of the model to achieve
a close fit with the observed groundwater level data. The source zone
(Fig. 2) extended throughout model layer 2, 3 and 4. The source concentra-
tions (C0) were obtained from the average As concentrations measured in
four wells in 2017 within the source zone, considering that previous mea-
surements from 1997 have showed essentially time-invariant As concentra-
tions within the source zone.

A sensitivity analysis has showed that the parameter uncertainty related
to the dispersity had limited influence on the simulation of As transport (see
details in Supplementary, section 5). The chosen values of dispersivities are
shown in Table 1. To investigate the influence of the two key input param-
eters (K and C), we considered ranges corresponding to plus/minus one
standard deviation (σK and σC) of the mean measurement values (K0 and
C0) in the main model layer (layer 3), hence with considered Kmax =
K0 + σK, Cmax = C0 + σC, Kmin = K0-σK, and Cmin = C0-σC. This resulted
in nine scenarios ({Kmax; Cmax}, {Kmax; C0}, {Kmax; Cmin}, {K0; Cmax}, {K0;
C0},{K0; Cmin}, {Kmin; Cmax}, {Kmin; C0}, {Kmin; Cmin}). For each scenario,
the “best fit” inverse modelling estimates of Kd (Kd (IM)) fitted to the As
breakthrough curve at TB8 (Fig. 2b) were obtained by calculating the min-
imum normalized root mean square error (NRMSE) with a discretization
step of 0.1 L kg−1. The calibration was performed based on layer 3
(8–11 m depth), in line with the sampling depth of TB8. This layer corre-
sponds to the most contaminated depth where most of the soil samples
were taken, making the derived Kd (IM) and the related R-values (Eq. (1))
representative for the plume-scale and comparable with Kd estimated
from other methods.

3.4. Batch tests under oxic conditions

Soil samples were air dried at 40 °C for 5–7 days to ensure that all As
was oxidized to As(V) before being subjected to batch tests according to
EN 14429. This approach is practically much more convenient compared
Table 1
Parameters used in the numerical groundwater model MODFLOW and MT3DMS.

Model Parameter Value

General model
parameters

Grid size (x direction) 5 m
Grid size (y direction) 5 m
Grid size (z direction) See Table 2
Number of columns (x) 40
Number of rows (y) 120
Number of layers (z) 6

MODFLOW Porosity 0.32
Hydraulic conductivity (K) See Table 2
Aquifer recharge 250 mm year−1

MT3DMS Source concentration of As (C) 878, 1582 and 141 μg L−1 for lay
Longitudinal dispersivitya 1.5 m

Transverse dispersivitya Horizontal: 0.03 m; vertical: 0.00
Molecular diffusion
coefficient

1.0 × 10−4 m d−1

Dry bulk density 1720 kg m−3

a Details regarding the selection of dispersivity values can be found in Supplementary
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to sampling and handling samples under anoxic conditions. Furthermore,
it gave us the possibility to investigate whether it was possible to test the
ability of a geochemical model calibrated on oxic conditions to predict
the solubility and speciation of As at anoxic field conditions. Ten grams of
dried soil (< 2 mm) and 100 mL leaching solution were added to polypro-
pylene centrifuge tubes (e.g. liquid-to-solid ratio 10). The ionic strength
and pH of the leaching solution were adjusted by adding appropriate
amounts of NaNO3, HNO3 and/or NaOH to cover a pH range from 4.5 to
9 and to obtain afinal NO3

− concentration of 0.01mol L−1. The suspensions
were equilibrated in an end-over-end shaker for 5.5 days at 21 °C in the
dark. After equilibration, the samples were centrifuged for at least 20 min
at 2500 rpm. The pH of the supernatant was measured and the remaining
sample was filtered through 0.45 μm single-use filters for analysis of Ca,
K, Al, Fe, P-PO4 and DOC using the same methods as for groundwater
(see Section 3.2). Kd representing oxic conditions (Kd (LO)) was calculated
as the ratio of oxalate extractable As in soil to the As concentration in leach-
ates of the batch tests without pH adjustment.

3.5. Geochemical modelling of As partitioning

The solid-liquid partitioning of As was simulated with the software Vi-
sual MINTEQ (Gustafsson, 2013), accounting for the aqueous speciation,
adsorption/desorption by Fe/Al-(hydr)oxides and binding of cationic ele-
ments to solid organic matter (SOM). The concentrations of sorbents and
As taking part in equilibrium reactions were estimated from oxalate extract-
able concentrations in soil samples. A detailed description of model param-
eters and input data for simulation of As partitioning in the batch tests
under oxic conditions can be found in Supplementary. As the concentration
of binding sites of Al/Fe (hydr)oxides are affected by different ageing pro-
cesses, which decreases their sorption potential (Dale et al., 2015; Vu
et al., 2013), the concentrations of active Fe/Al-(hydr)oxide sorbents in
each soil sample were calibrated using results of the batch tests under
oxic conditions, considering all As as As(V). The calibrated model was
then used to simulate As partitioning under field conditions. To do this,
the As(V)/As(III) redox couple was introduced into the model. Data from
groundwater samples from 2017 to 2021 were used as model input, includ-
ing pH, alkalinity, redox potential, DOC and element concentrations (see
Section 4.3).

4. Results and discussion

4.1. Hydraulic conductivity (K) from slug test and grain size distribution

The hydraulic conductivity (K) values obtained from slug tests varied
from 4 to 80 m d−1, with higher values close to the ground surface and
lower values deeper into the soil (Fig. 3), which was consistent with the de-
creasing proportion of coarse grain towards depth. The K values calculated
Comments

Horizontally (x, y), the model domain extends from the wood preservation
facility to the natural recipient (Brusaån River); vertically (z), the model
extends from the ground surface (assumed to be flat) to a depth of
28 m (average bedrock depth).

Porosity of medium sand from Morris and Johnson (1967)
Estimated from results of slug tests and grain size distribution
Literature value for the Hjältevad region from Eveborn et al. (2017)

er 2, 3 and 4 Estimated from the average As concentrations within the source zone
Rockhold et al. (2016); Rosenberg et al. (2023); Schulze-Makuch (2005);
Zech et al. (2023)

3 m Prommer et al. (2006); Rosenberg et al. (2023); Zech et al. (2023)
Tanaka et al., (2013)

Density of quartz material

.



Table 2
Depth and hydraulic conductivity for different layers in the numerical model. Num-
bers within parentheses are geometric standard deviations.

Layer Depth of
layer top
(ma)

Depth of
layer bottom
(ma)

K from correlation
(K0) (m d−1)

K from layer-specific
geometric mean
(m d−1)

1 0 5 86 106 (1.8)
2 5 8 39 38 (1.7)
3 8 11 22 18 (2.2)
4 11 14 12 11 (2.5)
5 14 19 6 9 (2.1)
6 19 28 1 –

a m below the ground surface, which is assumed to be flat in the study area.
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from grain size distribution also showed a wide range with an overall de-
creasing trend towards depth (Fig. 3), in line with the results from slug
tests. Considering the non-normal distribution of the data, the natural log
transformation (ln)was performedon allK data and a fairly good linear cor-
relation was derived between ln(K) and depth:

ln Kð Þ ¼ � 0:2 � Z þ 4:95 R2 ¼ 0:49,P ¼ 4:6∙10 � 8� �
(4)

where Z is the depth and R2 the coefficient of determination. Using Eq. (3),
eachmodel layerwas assigned an average K-value by back transforming the
mean of ln(K) values within the depth range of each layer to the original
scale, which actually corresponded to the definition of geometric mean.
We note that the results from the correlation equation differed slightly
from the layer-specific geometricmean values calculated from themeasure-
ment data within each layer (Table 2), as the former considered global data
at all depths while the latter only involves data within each layer. The cor-
relation allowed to calculate K values for all model layers, including layers
with few/no data, which were used as input into the numerical model (i.e.
K0).

4.2. Travel times and inverse model (IM) estimates of R and Kd (IM)

Fig. 4a shows three estimates of the breakthrough curves for advective
(non-retarded) substance transport (orange lines) from the source zone to
the observation well TB8, for comparison with the observed and consider-
ably retarded transport of As (Fig. 4b). Considering conditions in layer 3
(the most polluted aquifer layer), the different possible advective break-
through curves shown in Fig. 4a reflect that the average (effective) K-
value of layer 3 (K0) is uncertain due to the K-variability within the layer
(Fig. 3). We then considered a reasonable K-value range as being K0 ± σK
(see the Methodology section), where K0 and σK were found to equal
22 m d−1 and 7 m d−1, respectively. The slowest breakthrough
(0.94 years; dotted line) hence corresponds to an estimated reasonablemin-
imum K (15 m d−1), whereas the fastest breakthrough (0.51 years) corre-
sponds to a reasonable maximum K (29 m d−1). Similarly, a reasonable
C-value ranges was considered as C0 ± σK, with C0 and σC equal to
1582 μg L−1 and 791 μg L−1, respectively. Considering also dispersion ef-
fects, the blue curves of Fig. 4a show corresponding realistic estimates of
Fig. 3.. Relationship between depth and hydraulic conductivity estimated from
grain size analyses and slug tests. For deriving the vertical trend (dashed line) as
well as the K-value variation within the model layers, the test data were
discretized according to which model layer they represented. The middle level of
each 1.5 m sampling (test) interval was used for data plotting. Error bars were
added, showing the geometric standard deviations for the calculated geometric
mean values within each layer.
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the (rapid) breakthrough of inert substances in the considered part of the
Hjältevad aquifer.

Compared to such relatively rapid breakthrough of inert substances
under the prevailing aquifer conditions inHjältevad (Fig. 4a), the observed,
actual breakthrough of As in TB8 occurredmore gradually at amuch slower
pace (Fig. 4b; open circles), due to the retardation effects related to sorp-
tion. Given our “best estimate” of the key input parameters (K0, C0), the in-
verse modelling (Table 3) shows that a Kd (IM) -value of 13.6 L kg−1 is
needed to get a sufficiently high retardation (R = 74) that matches the
field observations (Fig. 4b, solid curve). Note that there was a general back-
ground concentration of As (60–80 μg L−1) at TB8 at start of the simula-
tions, probably due to historical diffuse leaching prior to the remediation
performed 1997 (Section 2.2). Given that the actual (effective) K0 and C0

are within one standard deviation of this “best estimate”, corresponding
Kd (IM) values are within the range 4.9 to 26.3 L kg−1 and R within the
range 27 to 142 (Table 3), i.e. 27–142 times slower than the advective
water velocities. The very low minimum NRMSE values (< 0.1) (Table 3)
imply that these results are based on good fits between observed and
modeled concentrations for each scenario. The {Kmax; Cmax} scenario com-
bination yields the highest Kd and R values (Table 3), which is consistent
with the fact that stronger sorption and retardation of As are needed to
match the observations in a case with fast advective transport and high ini-
tial concentrations. Fig. 4c illustrates the extent of As plume in layer 3 in
2021 derived from the numerical modelling (base scenario {K0; C0}) com-
pared with field data, showing that the numerical model overall well
reproduced the field observations, i.e. use of the Kd (IM) value from inverse
modelling provided a good estimation of As transport. Nevertheless, the ob-
served As plume is more heterogeneous than the modeled plume.

4.3. Groundwater geochemistry

Selected chemical parameters of groundwater samples in the 7 wells
used for Kd estimation (Fig. 2) are shown in Table 4. Groundwater pH
values varied from 5.7 to 7.3 (average 6.4), showing a neutral-weekly
acidic environment of the aquifer. The redox potential (Eh) varied both spa-
tially (among sampling points) and temporally (among sampling years),
ranging from −270 to 264 mV. The Eh and pH values of groundwaters
from these 7 wells are consistent with those of the 32 monitoring wells in-
cluded in this study (Fig. 5a), suggesting that they are representative for
general conditions at the study site. As illustrated in Fig. 5a, anoxic
conditions prevailed in the whole aquifer. The low measured Eh values
are supported by the generally high concentrations of dissolved Fe in
groundwater (Table 4). Data show that Fe concentrations increased drasti-
cally at Eh< 100mV (Fig. 5b), which agreeswith an expected reductive dis-
solution of Fe (hydr)oxidemineral(s) (Schwertmann, 1991). As indicated in
Fig. 5c, the Eh in the aquifer was probably buffered by such a process. Al-
though no analytical speciation of Fe was performed on groundwater sam-
ples, soluble Fe was very likely dominated by Fe2+ in the majority of
samples, as low solubility of Fe3+ can be expected at near neutral pH values
(Menting, 1994). The concentration of dissolved organic carbon (DOC)
ranged from 2.0 to 3.6 mg L−1 (average 2.8 mg L−1). Anoxic conditions



Fig. 4.. (a) Advective transport (orange lines) and advective-dispersive transport (blue lines) from the source zone to TB8without considering adsorption of As to solid-phase
materials; (b) Observed As concentration at TB8 vsmodeled results considering advection and adsorption of As; (c) modeled As plume in 2021 in layer 3 compared with field
measurements in groundwater wells in 2021. The line format corresponding to scenarios are the same in (a) and (b).
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also occurred upstream the contaminated area and seems to be the natu-
ral state of the aquifer, probably due to input of dissolved organic matter
from forests in the watershed. Total As concentrations were generally
high in groundwater, ranging from 143 to 1450 μg L−1 (average
593 μg L−1; Table 4). Analytical speciation of As showed that As(III)
was the major form in groundwater (average 538 μg L−1), representing
91 % of the average total As concentration. This is in accordance with
what could be expected from thermodynamics, as the vast majority of
samples are within the As(III) (H3AsO3) domain (Fig. 5a). In some sam-
ples the measured As(III) concentrations were somewhat higher than
the total As concentrations (15 %), which could be attributed to analyt-
ical uncertainties in As measurements.

4.4. Field estimates of local Kd values (Kd (GW))

Field local Kd values (Kd (GW)) were calculated based on measured As
concentrations in paired samples of soil and groundwater (Table 5). On av-
erage, the oxalate extractable fraction of As constituted about 70 % of the
total As, showing that the selection of total or oxalate extractable content
as a measure for solid-phase As only had a moderate influence on Kd evalu-
ations in our dataset. A general high mobility of As in groundwater was
highlighted by the relatively low Kd (GW) values. This is consistent with
the anoxic conditions in the aquifer, which favors the existence of As in
the form of mobile H3AsO3 (Smedley and Kinniburgh, 2013). Fig. 5d
shows that Kd (GW) values increased with increasing Eh, as expected
from the relative stability of the two As species. Further, the Kd (GW)

values varied both spatially and temporally. Kd (GW) values differed up
to about 2 orders of magnitude, from 1 to 107 L kg−1, between sampling
points (illustrating spatial variation), whereas the relative standard
Table 3
Scenario summarywith calibrated Kd (IM) (L kg−1) and R values. Numbers within parenth
layer 3, where the model calibration was performed.

Cmin = 791 μg L−1

Kmin = 15 m d−1 Kd = 4.9 (0.05) ➔ R = 27
K0 = 22 m d−1 Kd = 7.5 (0.05) ➔ R = 41
Kmax = 29 m d−1 Kd = 10.7 (0.05) ➔ R = 59
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deviation (RSD) at individual sampling points ranged from 4 % to
57 % of the average (illustrating temporal variation). This is consistent
with the large local Kd variations as shown in previous studies (Allison
and Allison, 2005; Baes III and Sharp, 1983). The overall average Kd

(GW) calculated with different averaging methods resulted in values
ranging from 3.6 L kg−1 (harmonic average) to 38 L kg−1 (arithmetic
average).

4.5. Batch tests and geochemical modelling, Kd (LO) and Kd (LA)

At pH values corresponding to field conditions, As concentrations in
eluates of the batch tests were much lower than those observed in ground-
water (Fig. 6). Accordingly, Kd (LO) values were much higher than Kd (GW)

(Table 5), which is consistent with an oxic system dominated by As(V).
As shown in Fig. 6, the solubility of As was strongly pH dependent under
oxic conditions, with increasing solubility at increasing pH, which can be
explained by the stronger adsorption of As(V) to Fe/Al-(hydr)oxides at
lower pH (Anderson and Malotky, 1979; Manning and Goldberg, 1996).
Using results of the batch tests, the geochemical model was calibrated by
optimizing the concentrations of adsorbing Fe/Al (hydr)oxides, assuming
all As to be As(V). The optimized concentrations of (hydr)oxides (HFOact)
ranged from 5 to 40 % of the oxalate extractable Fe/Al-(hydr)oxides
(Table S2 in Supplementary). The pH dependency of As solubility was
generally well reproduced by the model under oxic conditions.

To simulate As partitioning in groundwater 2017–2021, the model was
run with groundwater data from field measurements (Table 4). A much
closer agreement with groundwater observations was obtained (Fig. 6)
and Kd (LA) values were much closer to Kd (GW) than Kd (LO) (Table 5). For
1713, there was an excellent agreement between modeled and measured
eses are minimumNRMSE values. The K and C values presented here correspond to

C0 = 1582 μg L−1 Cmax = 2373 μg L−1

Kd = 8.3 (0.06) ➔ R = 46 Kd = 10.8 (0.07) ➔ R = 59
Kd = 13.6 (0.05) ➔ R = 74 Kd = 18.9 (0.06) ➔ R = 103
Kd = 20.3 (0.05) ➔ R = 110 Kd = 26.3 (0.06) ➔ R = 142



Table 4
Groundwater chemistry inwells used for Kd estimation (2017–2021). The data was used in the geochemical model VisualMINTEQ for the simulation of As partitioning under
field anoxic conditions. -: not measured.c

Well Year pH Eh As(tot) As(III) Fe Mn Ca K Mg Alka,b Cla SO4
a PO4

a DOCa

mV μg L−1 μg L−1 mg L−1 mg L−1 mg L−1 mg L−1 mg L−1 mg L−1 mg L−1 mg L−1 μg L−1 mg L−1

1705 2017 5.7 107 812 137 4.4 0.54 11.4 5.6 3.1 28 4.8 10.2 3.6 3.6
2018 5.9 136 270 82 1.3 0.46 9.9 5.3 3.0 – – – 1.9 –
2019 5.7 264 196 – 0.9 0.41 10.8 5.9 3.4 – – – 1.7 –
2020 6.0 −12 528 141 2.1 0.32 9.3 5.3 2.5 – – – 3.2 –
2021 6.0 92 514 – 2.8 0.35 10.1 5.6 2.8 – – – 3.0 –

1708 2017 6.8 −10 1450 1340 5.6 0.59 19.6 2.7 3.1 59 4.9 15.0 2.7 3.4
2018 6.3 90 856 954 1.3 1.15 22.0 3.9 3.4 – – – 1.9 –
2019 6.2 228 484 – 0.5 1.97 15.4 7.1 3.1 – – – 1.5 –
2020 6.3 60 827 846 1.3 0.95 19.8 3.6 3.1 – – – 2.2 –
2021 6.4 44 721 – 0.1 0.72 18.9 5.4 3.4 – – – 2.0 –

1709 2017 6.5 −94 321 251 18.0 0.64 16.5 1.6 2.6 38 6.0 21.5 12.1 2.4
2018 6.6 −6 361 377 9.2 0.75 14.7 3.7 2.5 – – – 7.9 –
2019 6.3 2 143 – 8.7 0.59 14.0 2.3 2.5 – – – 5.4 –
2020 6.3 −95 310 299 13.0 0.57 14.4 3.0 2.7 – – – 10.2 –
2021 6.4 92c 150 – 4.7 0.91 15.4 3.4 2.7 – – – 10.0 –

1711 2017 7.3 −129 234 204 17.4 1.34 35.7 1.4 3.9 100 5.6 21.0 7.3 2.6
2018 7.0 −26 192 180 18.2 1.10 35.1 1.5 3.8 – – – 5.5 –
2019 6.4 −50 150 144 12.6 1.29 31.7 1.2 3.9 – – – 1.3 –
2020 7.2 −270 340 262 16.3 1.56 36.0 1.2 4.0 – – – 7.8 –
2021 7.3 1c 233 – 12.1 1.53 35.3 1.1 3.9 – – – 7.0 –

1712 2017 6.5 −7 803 638 9.9 1.00 15.1 2.1 2.9 41 3.8 17.4 7.0 2.0
2018 6.4 32 551 527 8.8 0.97 13.3 1.7 2.5 – – – 9.1 –
2019 6.1 27 564 – 9.2 0.78 13.8 2.0 2.5 – – – 8.5 –
2020 6.4 136c 689 632 8.9 0.18 15.0 1.9 2.5 – – – 9.8 –

1713 2017 6.2 −16 643 537 7.6 0.41 12.8 3.4 2.3 38 3.9 14.6 24.1 3.1
2018 6.0 42 589 675 6.9 0.39 11.8 3.4 2.2 – – – 15.2 –
2019 5.8 62 600 – 7.5 0.93 11.6 4.1 2.1 – – – 16.8 –
2020 5.9 −17 602 614 6.7 0.39 11.2 4.3 2.0 – – – 16.8 –

1715 2017 6.8 −110 718 830 10.0 0.89 29.8 0.8 3.3 83 4.9 19.2 6.6 2.6
2018 6.8 −5 1090 1190 13.5 0.95 26.6 0.7 3.2 – – – 8.4 –
2019 6.6 −42 1180 – 12.3 0.96 26.8 0.8 3.3 – – – 8.3 –
2020 6.8 −176 1190 1250 11.3 0.91 28.4 0.9 3.2 – – – 8.3 –
2021 6.9 40c 1270 – 0.0 1.07 29.6 1.0 3.3 – – – 8.0 –

Mean 6.4 12 593 538 8.0 0.84 19.4 3.0 3.0 55 4.9 17.0 7.4 2.8
SD 0.4 106 352 382 5.5 0.41 8.8 1.8 0.6 27 0.8 4.0 5.2 0.6

a Only analyzed in 2017. For DOC, Cl, Alk and SO4, the value was then used for all years in geochemical modelling.
b Alkalinity in ground water, entered in Visual MINTEQ as mg HCO3

− L−1.
c Bold value highlight a considerably higher Eh than the others from the same groundwater wells.
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As concentrations for all years. The model also well reproduced the mea-
sured data at 1709, 1711, 1712 and 1715, except for one year where the
modeled concentration was substantially lower (Fig. 6). These samples
had a considerably higher Eh than the others from the same groundwa-
ter wells (bold values in Table 4) and an unrealistic combination of high
Eh and high As concentration. This can be attributed to methodological
challenges in field Eh measurements which are extremely sensitive to
dissolved oxygen (e.g., Gezahegne et al., 2007; Grenthe et al., 1992).
For instance, the pumping procedure during sampling could make
the system susceptible to oxygen intrusion, thus disturbing the Eh mea-
surement (Grenthe et al., 1992). While intrusion of small quantities of
oxygen could greatly perturb the Eh measurement, the sampled ground-
water (total) As concentrations remains more or less unaltered. Calcula-
tions including data for all years result in extremely high RSD (>150 %)
and much higher Kd (LA) values, whereas excluding the outliers results in
a much closer agreement between Kd (LA) and Kd (GW) (Table 5). At 1705
and 1708, the measured As concentrations were systematically higher
than the modeled ones for all years (Fig. 6). The lowmodeled concentra-
tions were related to the relatively high Eh values (> 100 mV) at these
two wells. The high Eh might indicate localized highly conductive
zones, where preferential flow pathways through macro-pores and/or
fissures favored mixing of water of different origins, e.g., shallow
groundwater containing oxygen and anoxic water from deeper zones.
Another explanation could be heterogeneities in soil and groundwater
chemistry. Small amounts of soil samples were used in the batch tests,
which provided the basis for geochemical modelling, while the
8

measured As concentrations in groundwater involved much larger soil
volumes, possibly leading to discrepancies between Kd (LA) and Kd (GW).

4.6. Practical implications

The slug tests and particle size distributions showed that local hydraulic
properties (K-values) varied by up to two orders of magnitude (Fig. 3). Nev-
ertheless, through the inverse transport modelling, based on the geometric
average K (i.e., K0 derived from correlation between ln(K) and Z) plus/
minus one standard deviation, we could constrain the plume-scale “effec-
tive Kd” to the range 4.9 to 26.3 L kg−1, with K0 yielding a “best-estimate”
Kd of 13.6 L kg−1 (Fig. 7; IM). Similarly toK values, the local Kd (GW) values
derived from independent in-situ observations of As concentrations also
varied by two orders of magnitude (1 to 107 L kg−1), while averaging
(arithmetic, geometric, and harmonic) of the localKd (GW) values could con-
strain the “effective Kd” to the range 3.6 to 38 L kg−1, with the geometric
average yielding a Kd of 14.4 L kg−1 (Fig. 7; GW). Results for the IM and
GWmethods are hence highly consistent, especially with regard to the geo-
metric averages.

It has previously been shown that geometric averaging of local hydrau-
lic conductivities (K) yields a representative or “effective” value for hetero-
geneous, isotropic porous media, whereas arithmetic and harmonic
averaging are relevant in highly anisotropic media for the longitudinal
and transverseflowdirections, respectively (Sanchez et al., 2006). Such sys-
tematic assessments are however still lacking regarding the averaging of lo-
cally varying Kd values. Our IM and GWmethod comparison shows, to the



Fig. 5.. (a) Stability diagram showing the theoretical relation betweenAs speciation and pHand Eh of groundwater; (b) Relationship between dissolved Fe concentrations and
Eh; (c) Stability diagram showing the theoretical relation between Fe speciation and pH and Eh of groundwater; (d) Relationship between Kd (GW) and Eh. Black symbols in all
diagrams represent samples used for Kd estimation and blue symbols represent samples from other monitoring wells in the study area. Stability lines represent 6 °C and were
calculated using thermodynamic data from the data base of Visual MINTEQ, vers. 3.1 (Gustafsson, 2013).
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best of our knowledge for thefirst time, that geometric averaging of localKd

values gives a correspondingly good estimate of “effective Kd” within het-
erogeneous, isotropic aquifer layers (such as the studied “layer 3”, which
is considered isotropic within the layer, although the whole aquifer shows
Table 5
As content in solid phase (2017) and groundwater (2017–2021) as well as Kd (GW), Kd

2017–2021. Depth is relative to the original ground surface (+168m a.s.l.) before soil w
variation at the sampling point); values within brackets are standard deviations relevan

Well Depth Solid phase Groundwater

from to As(tot) As(ox) As(tot)

m m mg kg−1 mg kg−1 μg L−1

1705 9 10 59 39 464 (5
1708 9 10 75 55 868 (4
1709 9 10 2.9 1.6 257 (4

1711 13 14 15 7.5 230 (3

1712 9 10 29 29 652 (1

1713 7 8 2.2 0.6 609 (4
1715 9 10 3.6 1.5 1090 (2

Arithmetic mean

Geometric mean

Harmonic mean

a One outlier excluded for year 2020 (1712) or 2021 (1709, 1711 and 1715) due to l
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variations in the vertical direction). Unless the considered part of the aqui-
fer is strongly anisotropic, we suggest that the geometric average Kd, which
has been used in a few previous studies (e.g., Gil-García et al., 2009;
Sheppard et al., 2009), will better represent the large-scale “effective Kd”.
(LA) and Kd (LO) values. Kd (GW) and Kd (LA) at each point are arithmetic averages for
ashing; values within parentheses are coefficients of variation (illustrating temporal
t to each averaging method.

As partition coefficient (Kd)

Kd (GW) Kd (LA) Kd (LO)

L kg−1 L kg−1 L kg−1

2 %) 107 (57 %) 1829 (89 %) 2800
1 %) 72 (38 %) 1055 (75 %) 2990
0 %) 7.7 (46 %) 48 (208 %) 970

4.0a (63 %)
1 %) 35 (29 %) 162 (193 %) 1070

23a (116 %)
8 %) 45 (17 %) 206 (169 %) 690

32a (79 %)
%) 1 (4 %) 2.2 (52 %) 210
0 %) 1.4 (26 %) 38 (196 %) 100

4.8a (120 %)
38 [40] 477 [700] 1261 [1173]

421a [723]
14.4 [6.7] 115 [10] 744 [3.5]

35a [15]
3.6 [2.6] 13.8 [6.4] 371 [303]

7.1a [6.3]

ikely erroneous Eh measurements.



Fig. 6.. As concentrations in groundwater from field measurements (2017-2021), batch tests and geochemical modeling under oxic and field anoxic conditions based on
groundwater chemistry in different years.

Fig. 7.. Comparison of representative (mean) “Field-Kd” values for As (orange bars)
and their reasonable ranges, estimated from different (independent) methods,
namely IM: Inverse modelling of observed downstream breakthrough of As, GW:
in-situ observations of As concentrations in paired soil-groundwater samples, and
LA: geochemical modelling of laboratory-anoxic Kd values.
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By analogy of the characteristics of K-values, arithmetic averaging of Kd

may become more relevant in strongly anisotropic (layered) formations if
flow is perpendicular to the layers. Nevertheless, the harmonic averaging
of Kd may be relevant in some risk assessment studies, e.g., if a “conserva-
tive” value approach is relevant to avoid underestimating the risk.

The good performance of geometric averaging highlights the impor-
tance of having a group of point samples whose size is sufficiently large
from a statistical perspective to derive an “effective-Kd” relevant for site-
specific assessments of contaminant transport. As shown in our study, geo-
metric mean of Kd based on 7 sampling points was highly consistent with
the “effective Kd” from the inverse modelling, although the range in Kd

(GW) varied by two orders of magnitude. Therefore, single or few field mea-
surements of Kd (GW) or K values are very unlikely to be representative of
plume-scale effective transport of As (or other metals and metalloids).
This may be an important reason behind the generally poor performance
of widely used models for predicting groundwater pollution risk at metal
contaminated sites (Augustsson et al., 2020), in which case the present
study suggests that performance can be considerably enhanced by consider-
ing statistically robust sampling strategies, in particular with regard to
sample size.

The Kd values derived from the laboratory-anoxic geochemical model-
ling (LA) exhibited a much larger variability (Table 5) and lower consis-
tency with results from IM and GW. However, geochemical modelling
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provided an excellent tool to understand the mechanism of As retention in
the Hjältevad aquifer, which relates to the surface complexation of As by
Al/Fe (hydr)oxides, impacted by local geochemical variabilities in, e.g.
solid-phase concentrations of Fe/Al-(hydr)oxides and groundwater redox
potential and pH, explaining the high variability of local Kd values derived
from GW. This provides confidence that the Kd values from IM and GWwill
be long-term valid if the geochemical conditions do not change drastically.
Furthermore, the calibrated geochemical model could be used to calculate
“equilibrium benchmark values”; i.e. the expected equilibrium As concen-
trations at a certain groundwater chemistry. At a specific sampling point,
deviations from “equilibrium benchmark values” can help to identify non-
equilibrium conditions in the groundwater, lab-field scaling issues (repre-
sentativeness of laboratory samples) and measurement errors, e.g. artefacts
related to field measurement of Eh. To ensure that intrusion of small quan-
tities of oxygen does not perturb the Eh measurement, Eh measurements
should be supplemented by other redox indicators like As speciation and
dissolved Fe concentration.

Our best estimates of Kd for As in the anoxic Hjältevad aquifer
(i.e., 13–14 L kg−1, corresponding to a field R of about 80) were compara-
ble with a few existing studies calculating field-based Kd for As under sim-
ilar aquifer conditions, i.e., suboxic to anoxic environment at neutral pH:
1–8 L kg−1 from Jung et al. (2009) and 5.1–17.3 L kg−1 from Guo et al.
(2014). Considering the estimated Kd and R at Hjältevad, the annual dis-
tance that the As plume could develop downstream under prevailing condi-
tions is about 0.7 m year−1 (with a pore flow velocity of 57 m year−1).
Most anthropogenic As contamination is not older than 50–100 years, cor-
responding to an expanding distance of about 35–70m in suboxic to anoxic
aquifers. Under such conditions, As plumes can now be expected to gradu-
ally cross the borders of industrial areas and pose a risk to downstream
water bodies, stressing the urgent need for the remediation of anthropo-
genic As contaminated sites.

5. Conclusions

From the results of field investigations, laboratory experiments as well
as numerical transport modelling at an As-contaminated site from legacy
CCA pollution, we concluded that:

• The multi-methodology used in this study, which combines data from
local soil and groundwater measurements, batch experiments, chemical
equilibrium modelling, and field-scale inverse transport modelling pro-
vided an effective and reliableway to understand large-scalemobilization
of As in an aquifer.

• The main retention mechanism for As in soil and groundwater at the site is
adsorption to surfaces of Fe/Al-(hydr)oxides, which was confirmed by geo-
chemical equilibrium modelling performed on data obtained from labora-
tory experiments as well as from groundwaters sampled in the field.

• The spatial variation of As partitioning and the local-to-plume scaling issue
could be well explained by local heterogeneities in geochemistry and hy-
drological properties. Our study demonstrated for the first time that geo-
metric averaging of local Kd values gives a good estimate of “effective Kd”
within heterogeneous, isotropic aquifer layers.

• The lab-to-field scaling issue (i.e. discrepancies betweenKd (LA) andKd (GW))
highlighted the potential to use a calibrated geochemical equilibrium
model to calculate “equilibrium benchmark values”, i.e. the expected equi-
libriumAs concentrations at a certain groundwater chemistry. This can help
to identify non-equilibrium conditions in the groundwater as well as
measurement errors, e.g. artefacts related to field measurement of redox
potential.
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