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H I G H L I G H T S  G R A P H I C A L  A B S T R A C T  

• Contaminants of emerging concern 
(CECs) were assessed in Swedish surface 
water. 

• Existing and new species sensitivity 
distributions (SSDs) and RQs were used. 

• Potential persistent, mobile and toxic 
substances were identified. 

• Acute and chronic SSDs were derived for 
studied CECs. 

• Furosemide and caffeine exceeded acute 
toxicity levels in rivers.  
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A B S T R A C T   

Persistent, mobile, and toxic (PMT) substances have recently garnered increased attention by environmental re-
searchers, the water sector and environmental protection agencies. In this study, acute and chronic species 
sensitivity distributions (SSDs) were retrieved from literature data for previously quantified contaminants of 
emerging concern (CECs) in Swedish surface waters (n = 92) and risk quotients (RQ) were calculated. To better 
understand the characteristics of the detected CECs in non-urban lake sites (n = 71), these compounds were 
checked against established criteria for potentially toxic PMs (PM(T)s) and occurrence in the aquatic environment, 
respectively. For the CECs with missing SSDs (n = 15 [acute], n = 41 [chronic]), ecotoxicity data were extracted for 
eight taxonomic groups, and if data were sufficient (n ≥ 3), SSDs were derived. The retrieved and newly developed 
SSDs were then used in an environmental hazard assessment (EHA) in the investigated Swedish rivers and lakes. In 
the rivers, 8 CECs had RQ> 1 in at least one location, and 20 CECs posed a moderate risk (0.01 < RQ < 1). In total, 
21 of the 71 detected substances had already been identified as PM(T)/vPvM substances. Our study shows the 
importance of studying field data at large spatial scale to reveal potential environmental hazards far from source 
areas.  
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1. Introduction 

Recently, persistent, mobile, and toxic (PMT), as well as very 
persistent and very mobile (vPvM) substances have garnered attention 
by environmental researchers, the water sector and environmental 
protection agencies [5,54]. It has been argued that PMTs pose an 
equivalent level of concern as the regulated PBT (persistent, bio-
accumulative, and toxic) substances [28]. Notably, PMTs could spread 
on an unknown/uncertain spatial scale, potentially exerting their toxic 
effects far from the pollution source, and the exposure could be irre-
versible [28]. These PMT/vPvM substances are mostly associated with 
substances registered under REACH [3,68], however contaminants of 
emerging concern (CECs) have also exhibited similar properties of 
persistence and mobility [39]. In aquatic ecosystems with numerous 
sources of PMTs, such as lakes with numerous polluted riverine inlets, 
aquatic fauna far from the polluting source might be affected. Currently, 
many substances have been labelled potential PMTs/vPvMs [1,29,4,43, 
45,59], however only a few studies have verified the PM properties by 
field studies of surface waters (e.g., [29,46]). By tracking potential PMs 
in field studies predicted PM properties of individual CECs can be tested 
and in case of (prevalent) occurrence also verified. Earlier investigations 
of PMTs in surface waters have primarily focused on either the occur-
rence, the challenges for drinking water producers and/or analytical 
challenges of PMTs, while, to the best of the authors’ knowledge, few 
studies have examined the hazards posed by PMTs present in European 
surface water environments. Through assessment of the hazards posed 
by substances with PM and potentially T (PM(T)) properties present in 
surface water environments, prioritization of PMT reduction can be 
done. 

One way of assessing the hazard posed by chemical pollution is by 
component-based methods (CBMs), meaning that a comparison between 
measured environmental concentrations (MECs) and toxicological end-
points from ecotoxicological studies is made [48]. The CBM approach 
allows for the derivation of predicted no-effect concentrations (PNECs) 
[17]. Technical guidance documents define two extrapolation methods 
for estimating PNECs: assessment factor methods and species sensitivity 
distribution (SSD) methods (EC-JRC, 2003; [62]). Assessment factor 
methods are based on both acute (effect concentration for 50% of the 
population, EC50) and chronic toxicity (no-observed effect concentra-
tion, NOEC, or EC10) tests (e.g., [21,33]) and the methods are mostly 
based on three data-rich standard taxonomic groups: algae, crustaceans 
and fish. For instance, the toxicity of REACH chemicals are required to 
be tested using these taxonomic groups; therefore, only a small fraction 
(12%) of all tests reported within the REACH framework have used other 
taxonomic groups [31,57]. Recently it has been proposed that these 
three standard taxonomic groups are insufficient for ensuring a 
non-toxic environment within the Water Framework Directive (WFD), 
and that the WFD should include five so-called Biological Quality Ele-
ments (BQEs): phytoplankton (algae), macrophytes, phytobenthos, 
benthic invertebrate fauna (crustaceans) and fish [20,48,9]. However, 
there are other taxonomic groups relevant for freshwater, e.g., those that 
have declined in abundance in the past decades [26]. In European 
freshwater environments, 44% of freshwater molluscs and 23% of am-
phibians are considered threatened, many of which are endemic to 
Europe [26]. These threat levels can be compared with the commonly 
assessed freshwater fish (37%) [26] and the BQE aquatic plants (6.6%) 
[7]. Not only are there currently knowledge gaps of the ecotoxicity for e. 
g., amphibians ([2,6]), but these threatened taxonomic groups are 
currently only considered with the SSD method. The SSD for a specific 
substance can be derived and the impacts on the species assemblage 
level can be assessed [48], if it fulfils the data requirement of a minimum 
of 10 no-observed effect concentrations (NOECs) for at least 8 taxonomic 
groups [15]. However, no consensus has, so far, been reached on the 
number of tests needed for the statistical aspects of SSD based methods 
[12,62]. Posthuma et al. [50] has recently suggested a system for pri-
oritization of potentially hazardous substances in need of additional 

hazard data and/or for management attention, which relies on available 
toxicity data combined with uncertainty analysis. 

The overall aim of this study was to evaluate the environmental 
hazards posed by CECs in the aquatic ecosystems of Sweden’s three 
largest lakes. The specific objectives were to (i) collect SSD data and 
ecotoxicity data for 8 freshwater-relevant taxonomic groups and identify 
potential data gaps; (ii) generate the most protective PNECs using 
collected ecotoxicity data, and derive SSDs where possible; (iii) assess 
potential acute and chronic environmental hazards in aquatic ecosys-
tems; (iv) identify verified and potential PM(T) substances in lake inlets 
and examine evidence of their PM status (v) check for new PMT sub-
stances by studying our occurrence data for CECs in remote areas. 

2. Materials and methods 

2.1. Target substances and their ecotoxicity data 

Target substances were selected based on quantified compounds (n 
= 91) in surface water from a previous field study [39] (Table S1 in 
Supporting Information (SI)). The substances comprised pharmaceuti-
cals (n = 63), PFAS (n = 10), industrial chemicals (n = 6), anthropogenic 
tracers (n = 4), personal care products (n = 3), parabens (n = 3), and 
pesticides (n = 2) measured in three major Swedish lakes (Lake Mälaren, 
Lake Vättern and Lake Vänern) and their connecting rivers at a total of 
37 sampling sites (nriver=24, nlake=13) during four different seasons. 
Experimental and modelled ecotoxicity data for eight taxonomic groups 
were collected for all the 91 compounds, and available SSDs (acute and 
chronic) based on experimental data were collected from Posthuma 
et al. [50]. Missing SSDs were derived by using the collected experi-
mental and modelled data and each target substance was assigned a 
four-digit score depending on the quality of (1) SSD fullness, (2) biodi-
versity coverage, (3) data origin quality, and (4) extrapolation quality as 
described in Posthuma et al. [50] (Table S2 in SI). Modelled acute 
toxicity values, within the applicability domain of QSAR, were consid-
ered when deriving SSDs, with the exception for the genus Lemna spp 
which was modelled for chronic values only. The SSDs were calculated 
with ETX 2.3 [65]. SSDs with full SSD parameters (i.e., both µ [popu-
lation median] and σ [population standard deviation]) were evaluated 
by the Anderson-Darling and Kolmogorov-Smirnov goodness-of-fit tests 
for (log)normality at 5% significance level, and estimates for the acutely 
and hazardous concentrations for 5% of the species assemblage (aHC5 
and cHC5, respectively), with a 90% confidence interval around the 
HC5, were generated by ETX. Where toxicological data were insufficient 
to derive an SSD, i.e., when only one or two ecotoxicity values were 
available, the assessment factor methods (i.e., PNECs) were used as 
recommended [15]. The data collection followed a proposed 
taxonomic-dependent classification of “acute” and “chronic” toxicity, i. 
e., both endpoint (e.g., (L)EC50 for “acute” and (L)EC5 to (L)EC25, 
NOEC, LOEC for “chronic”) and duration were considered when classi-
fying exposure to the taxonomic groups [31,57]. 

Experimental values were collected from WikiPharma Database 
[42], US EPA ECOTOX (https://cfpub.epa.gov/ecotox/), ETOX database 
(http://webetox.uba.de/webETOX/index.do), and RIVM’s database 
(https://rvszoeksysteem.rivm.nl/). In this work, focus was on collecting 
toxicity data from as many taxonomic groups as possible. Therefore, the 
lowest toxicity values for the following taxonomic groups were 
included: algae, crustaceans, fish, phytobenthos, macrophytes, molluscs, 
rotifer, insects, and amphibians. Species within the taxonomic groups 
were selected based on previous work [31,57]. To ensure toxicity data of 
high quality, the Klimisch score has been used historically ([32,57]; 
(Scientific Committee on Health, Environmental and Emerging Risks) 
[58]). Others have criticized the consistency of the Klimisch score be-
tween assessors, proposing the CRED system as more detailed and 
consistent [32,40,58]. This study has favoured the use of the CRED 
system. For complementary and/or comparative purposes, PNECs based 
on experimental data from the “NORMAN Ecotoxicology database of 
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lowest verified PNECs” (https://www.norman-network.com/nds/eco-
tox/lowestPnecsIndex.php) for freshwater were collected. 

The models ECOSAR and QSARINS [11] were used where experi-
mental data were lacking. QSARINS was preferentially used for phar-
maceuticals and personal care products, as QSARINS has been deemed 
better fitted for these groups of chemicals [27,38,56]. If ECOSAR 
generated several outputs for the same compound, the most conserva-
tive option was selected. The relevance and reliability of experimental 
studies and QSAR predictions were assessed according to an established 
workflow [21]. If an experimental study showed the lowest value for a 
substance, the reliability and relevance of the study were further 
assessed by following the CRED method [40] using the SciRAP tool [41]. 

Risk quotients or PAFs were calculated based on measured envi-
ronmental concentrations (MECs) from Malnes et al. [39], and opti-
mized risk quotients (RQf) were calculated as described in Zhou et al. 
[69] and Eq. 1: 

RQf = RQ × F =
MEC
PNEC

×
NO1

NO2
(1)  

where MEC: measured environmental concentration [µg/L]; PNEC: 
predicted no effect value [µg/L]; NO1: number of samples with con-
centrations higher than PNECs [unitless]; NO2: total number of samples 
[unitless]. 

Building on the same concept as RQf, an SSD-equivalent (PAFf) was 
introduced where available. For the calculation of PAFf, concentrations 
were transformed into PAFs, according to Eq. 2: 

PAF − NOEC = Φ(cN), cN =
log10(c) − μ

σ (2)  

where PAF-NOEC: potentially affected fraction, no observed effect 
concentration [%]; Φ: standard normal cumulative distribution func-
tion; cN: z-value, standardized (species) sensitivity units; c: concentra-
tion [µg/L]; μ: population median [log10 µg/L]; σ: population standard 
deviation [log10 µg/L] [49]. 

Thereafter, PAFf could be calculated by Eq. 3: 

PAFf =
MEC

PAF − NOEC
×

NPAF− NOECi>5%

Nsamples
(3)  

Where MEC and PAF-NOEC as described above, NPAF-NOEC,i>5%: number 
of samples exceeding the 95% protection limit for substance i [unitless]; 
Nsamples: total number of samples [unitless]. 

Each collected sample, including those collected at same sites but at 
different occasions, were evaluated as their own entities. 

2.2. Persistent, mobile and toxic substance classification 

In this study, target substances were also classified in terms of 
persistence, mobility, and toxicity. A literature search was performed in 
SCOPUS to identify previously known persistent and mobile organic 
compounds (PMs). Search terms included “persistent”, “mobile”, “PMT”, 
“vPvM”, “PMOC* ” (abbreviation for “persistent and mobile organic 
compounds”), “surface water”, “lake* ”, and “river* ”. The search results 
were limited to results after 2017, as that year, the definition criteria of 
PMs and PMTs were updated by expert authorities [45]. To evaluate 
potential PM/PM(T) substances for the remaining CECs, their respective 
properties were examined according to existing criteria detailed below. 

2.2.1. Persistence in surface waters 
It has been suggested that the persistence assessment should be 

evaluated through a step-wise approach [15], briefly: “(i) readily 
biodegradable (OECD 301-tests); (ii) screening information (e.g., 
enhanced ready biodegradation tests, or specific inherent biodegrada-
tion tests); (iii) other information useful in a Weight-of-Evidence 
approach (e.g., abiotic degradation, applicable QSARs, monitoring data, 
simulation test results etc); and (iv) aerobic biodegradation, if 

technically feasible (OECD TG 309-tests)”. While several environmental 
degradation processes exist, it is mainly aerobic biodegradation that is 
considered [14]. However, photodegradation and hydrolysis can be 
factored into the degradation assessment [14]. An extended discussion 
regarding environmental persistence is available in SI (Text SI.1). 

Aerobic biodegradation data was gathered from literature or models. 
The combination of the BIOWIN2 and BIOWIN3 [64] model results were 
used, as suggested by ECHA [14]. Substances modelled with BIOWIN2 
and BIOWIN3 models generated outputs not listed as ‘non-persistent’ 
(nP), ‘persistent’ (P), nor ‘very persistent’ (vP). Some interpretations 
have been made, however, as to ‘convert’ the results into the 
REACH-relevant categories nP, P and vP (i.e., BIOWIN results 
<‘Weeks-Months’, ’Months’, and ’Recalcitrant’ corresponds to ‘nP’, ‘P′, 
and ‘vP’, respectively) [25,36]. The same conversions have been made 
in this study. 

As Weight-of-Evidence, monitoring, photodegradation, and hydrolysis 
data were used to make an assessment of the overall persistence of a 
substance [14]. The Weight-of-Evidence and modelled degradation pro-
cesses were not used to definitively dismiss a substance as persistent, as 
e.g., monitoring studies may suffer from shortcomings in analytical 
methods [14]. 

HYDROWIN [64] was used to model CECs’ hydrolysis rate. For the 
photodegradation studies, preference was given to natural irradiation or 
with a filtered Xenon lamp (with environmentally relevant wavelengths, 
i.e., wavelengths > 290 nm) [10]. Some evidence is available that the 
direct photolysis quantum yield (a property of a compound which can be 
compared across studies) can be affected, if a pharmaceutical’s pKa is 
near the pH of the water [10]. 

2.2.2. Mobility of the CECs in the aquatic environment 
The CECs investigated herein are either permanently charged or 

ionizable within the range of environmental pHs [61]. As such, the 
CECs’ sorption to sediments typically do not follow the established 
relationship between solid/liquid partition coefficient (Kd) and organic 
carbon normalized Kd-values (KOC) developed for neutral substances, 
but rather their sorption, and consequently their mobility, depend to a 
high degree on local conditions [61]. Therefore, when available, 
lake-specific Kd values were preferentially used. When not available, the 
lowest log KOC in the range of environmental pHs (4− 9) was used, and 
was classified as mobile (‘M′) if log KOC < 4 and very mobile (‘vM’) if log 
KOC < 3, as done by Neumann and Schliebner [45]. 

2.2.3. Toxicity 
The toxicity evaluation followed the guidance of the ECHA (2017), 

with some exceptions. If chronic toxicity < 10 µg/L, it was labeled ‘T′, 
while acute toxicity < 100 µg/L indicated ‘Potentially T′ [14]. QSAR 
values were allowed in the assessment if the values were within the 
applicability domain, however, maximally reaching the status as 
‘Potentially T′. The (likely) classification of CECs as “toxic to repro-
duction” was not considered. An extended discussion of the CEC groups 
herein is available in SI (Text SI.2). 

3. Results and Discussions 

3.1. Derivation of SSDs and selection of most protective concentrations 

Acute and chronic SSDs were extracted from Posthuma et al. [50] for 
84% and 55% of the target substances (n = 91), respectively (Tables S3 
and S4 in SI). Bisoprolol, perfluorobutanesulfonic acid (PFBS), per-
fluorohexanoic acid (PFHxA), perfluoroheptanoic acid (PFHpA), per-
fluorodecanoic acid (PFDA), and tolyltriazole were found to lack both 
acute and chronic SSDs in Posthuma et al. [50]. However, enough 
experimental ecotoxicity data was available in databases for derivation 
of an SSD. Additionally, bisoprolol had a modelled value in a relevant 
QSAR (QSARINS) within the applicability domain, which was added to 
the derivation of the SSD. Some extrapolation of experimental toxicity 
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data, e.g., a NOEC to an EC50 within an acute duration period, followed 
the system of Posthuma et al. [50]. Table 1 contains the acute SSDs 
parameters for the six substances, while Table 2 contains chronic SSD 
parameters for five of the substances. For chronic SSDs of bisoprolol, 
PFBS, and PFHpA, the evaluation stopped at the population median 
(Table 2, Table S6) due to lack of data to derive the remaining 
parameters. 

Two acute SSDs (perfluorononanoic acid (PFNA) and per-
fluorooctanoic acid (PFOA)) and four chronic SSDs (atenolol, bezafi-
brate, PFNA, and PFOA by Posthuma et al. [50]) were replaced with 
newly derived SSDs, as the SSD scores were deemed to have a higher 
taxonomic representation (new SSD score: 1311 vs 1123, and 1311 vs 
1124, 2411 vs 1223, 1323 vs 1224) (Figs. S1-S2, Tables S5-S6 in SI). 
After derivation of SSDs from experimental toxicity data, 92% of sub-
stances had acute SSDs and 64% had chronic SSDs. 

At a significance level of 5%, all derived SSDs were accepted by the 
Anderson-Darling and Kolmogorov-Smirnov tests in ETX. For PFOA, the 
substance with most data points in this study, the difference between the 
upper and lower estimates of the HC5 (UL HC5 and LL HC5, respec-
tively) ranged from 1.5 up to 2.6 log10 concentration units (Tables 1 and 
2). The SSDs with fewer data points exhibited a larger spread This is 
unsurprising, as the uncertainty for HCx values decreases when n > 4 
[12]. Posthuma et al. [50] argued that some population standard de-
viations were unrealistic, i.e., a substance has to have σ ∈ [0.2, 2]. 
PFNA’s chronic SSD population standard deviation (Table 2) was 
slightly outside this range (σ = 2.05), and the HC5 estimate differed 
with a factor of 14 log10 concentration units between LL HC5 and UL 
HC5. This difference between the limits of HC5 estimates for PFNA was 
among the largest of any substance in Tables 1 and 2. Considering the 
low number of taxonomic representation (n = 3), it could be argued that 
more data points are needed to derive a more stable/representative SSD 
[12]. 

Sorgog and Kamo [62] investigated which PNEC derivation method – 
AF and SSD method – had the lowest failure probability. It was found 
that the lowest failure probability varied depending on sample size (n) 
and population standard deviation (σ); for n = 3 and σ > 0.9, and n = 6 
and σ > 1.1, the SSD method was recommended [62]. From Table 2, all 
but tolyltriazole had σ > 1.1 and n < 6, leading to the conclusion that 
the SSD method yields PNEC values with a lower failure probability in 
comparison to AF method for most CECs; the generated PNECs from the 
SSD method should therefore be used in environmental hazard assess-
ment. While Sorgog and Kamo [62] did not consider σ > 1.5, it is 
assumed that the results extrapolate for higher σ, which was the case for 
4 of the substances in Table 2. For tolyltriazole, however, the AF method 
was the preferred PNEC derivation method, as “[t]he failure probability is 
almost negligible for σ lower than roughly 0.4 […] for any n” [62]. 

Of the chronic SSDs developed, there were four instances where non- 
standard taxonomic groups were the most sensitive. Of most concern, 
PFHxA’s most sensitive taxonomic group, rotifers (1000 µg/L), was 
more than a factor 10 lower than any of the standard taxonomic groups 

(96000 µg/L) (Table S6 in SI). Thus, with the assessment factor method 
for the standard taxonomic groups, the risk to the aquatic ecosystem 
would have been underestimated for PFHxA. The LL HC5 estimate of 
PFHxA herein (Table 2) were within environmentally relevant concen-
tration ranges in Sweden [22,39]. 

The median (average) number of collected ecotoxicity studies for any 
substance was two (two) for acute toxicity and one (two) for chronic 
toxicity (Fig. S3 in SI). The lacking experimental data coverage of the 
different taxonomic groups of the collected ecotoxicity data limits the 
ability to fully assess the environmental hazard of the CECs ([2,6,63]). 
This could be problematic, as the estimates of the chronic HC5 in Table 2 
suggest that the substances could fall within the range of being classified 
as toxic (i.e., LLHC5 ≤ 10 µg/L ≤ ULHC5). Furthermore, the experi-
mental bias towards the standard freshwater taxonomic groups (Fig. S4 
in SI) could limit the assessment of the WFD’s holistic goal of a non-toxic 
environment by the unknown (potential) effects on the BQEs. While 
QSARs help to fill important data gaps, the ones included in this study 
were limited to the taxonomic groups which already were (relatively) 
data rich (Fig. S4 in SI). If a CEC has been evaluated with the standard 
taxonomic groups, and there is a possibility of a substance being labelled 
toxic by the HC5 estimate, it could warrant investigations of further 
aquatic taxonomic groups to minimize the error margins of the HC5 as 
“[t]he goal of ecological risk assessment is, of course, not to protect just a 
single or few species, but entire assemblages of organisms that comprise 
exposed communities and ecosystems.” [2]. 

The most conservative estimates of acute and chronic toxicities were 
used for all substances (Figs. S5-S7 in SI) to ensure the highest level of 
protection of the environment. The chronic toxicity relates to current 
global practices in environmental quality assessment to minimize 
ecosystem impacts, whereas the acute toxicity relates to current global 
practices to quantify likely impacts of chemical pollution [50]. The 
lowest acute toxicity values were derived from Posthuma et al. [50] (51 
substances, 56%), lowest effect concentration (EC, 33 substances, 36%), 
and the newly derived SSDs (7 substances, 8%) (Fig. S5 in SI). The lowest 
chronic values were obtained from calculated PNECs (39 substances, 
43%), NORMAN (14 substances, 15%), Posthuma et al. [50] (9 sub-
stances, 10%), and the newly derived SSDs (7 substances, 8%) (Fig. S6 in 
SI). 22 (24%) substances did not appear in any source for the chronic 
values, signifying a lack of chronic toxicity data (Fig. S7 in SI). Of these, 
clindamycin, loperamide and terbutaline had acute toxicity values 
< 0.1 mg/L, labelling them as ‘potentially toxic’ [14]. Of the EC sub-
stances, 30 (of 33, 91%) of the most sensitive taxonomic groups were 
from either algae, crustaceans, or fish (Fig. S7A in SI). Of the PNEC 
substances, 22 (of 39, 56%) had more than one taxonomic group 
assessed. Algae, crustaceans, fish, and macrophytes were all assessed for 
more than 10 of the 22 substances, whereas phytobenthos, molluscs, 
insects, rotifers, and amphibians were assessed for ≤ 5 substances each. 
Still, molluscs (n = 2), insects (n = 2) and rotifers (n = 1) had instances 
where they were the determinant of the PNEC (Fig. S7B in SI), thereby 
accounting for a relatively high degree of the PNEC in relation to how 

Table 1 
Acute species sensitivity distribution (SSD) parameters for the substances which lacked both acute and chronic SSDs in the literature.  

Substance n µ σ HC5 LL HC5 UL HC5 SSD quality score 

Bisoprolol  3  4.68  0.82  3.09  -1.61  4.16  1324 
PFBS (perfluorobutanesulfonic acid)  3  5.97  1.02  4.00  -1.83  5.32  1322 
PFHxA (perfluorohexanoic acid)  3  5.06  0.22  4.64  3.40  4.92  1224 
PFHpA (perfluoroheptanoic acid)  3  5.13  0.24  4.66  3.26  4.98  1322 
PFOA (perfluorooctanoic acid)  6  4.73  1.43  2.23  0.27  3.48  1224 
PFNA (perfluorononanoic acid)  3  4.29  0.53  3.26  0.22  3.95  1224 
PFDA (perfluorodecanoic acid)  4  4.49  0.66  3.29  1.12  4.00  1222 
Tolyltriazole  3  4.69  0.68  3.37  -0.30  4.25  1411 

n: Number of tested taxonomic groups; µ: log-transformed median population concentration; σ: log-transformed population standard deviation; HC5: log-transformed 
median estimate of the hazardous concentration for 5% of the species assemblage; LL HC5: log-transformed lower estimate of the HC5; UL HC5: upper estimate of the 
HC5. Accompanied by an SSD quality score following the scoring system by Posthuma et al. [50] (Table S2 in SI). Empty cells in population standard deviation (σ) 
signifies a lack of data to derive the variance. 
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often these taxonomic groups were tested. Yet, only in one case, the 
testing of a non-standard taxonomic group potentially serves as a 
cautionary example; diclofenac was found to have the most sensitive 
chronic toxicity value for molluscs (0.041 µg/L) followed by macro-
phytes (3.8 µg/L), both much lower than for the most sensitive standard 
taxonomic group (fish, 340 µg/L). Both values for molluscs and mac-
rophytes come from the same study [30], the reliability of which has 
been questioned [34]. Notably, neither molluscs nor macrophytes would 
have been protected with the assessment factor method, as the appli-
cation of an assessment factor of 10 would have underestimated the risk 
to the aquatic ecosystem. This was due to that algae, crustaceans, and 
fish (the standard taxonomic groups evaluated) all had chronic toxicity 
values more than 10 times higher than both molluscs and macrophytes. 

Using Posthuma et al. [50], NORMAN’s verified lowest PNEC, and 
collected ecotoxicity data, differences in PNECs were expected. The re-
sults presented herein demonstrates that using a mix of sources for 
deriving PNECs could be beneficial, while reliance on one source alone 
could negatively affect the hazard assessment. This is likely due to the 
different sources of literature each method relies on, and the frequency 
of updates to each method/database. It should be pointed out, however, 
that the different methods/databases use varying levels of certainty: 
results from the EC and PNEC relies on available expertise for evaluating 
the reliability of the results through the CRED system, whereas the 
NORMAN Ecotoxicology database can provide so-called ‘verified 
PNECs’, as determined by ecotoxicology experts. The results from 
Posthuma et al. [50] has not been verified in the same way as the other 
two sources (i.e. CRED-evaluated ecotoxicity data and NORMAN veri-
fied PNECs); however, more often than not, it is data quantity, rather 
than quality, which limits SSD representativeness [13]. However, 
especially when deriving an Environmental Quality Standard, the reli-
ance and reliability of the studies should be factored in [34]. A com-
parison between the acute and chronic estimates from the sources 
(EC/PNEC, Posthuma, NORMAN, SSDs) are presented in Figs. S5 and S6 
in SI, respectively. The median (average) difference between the esti-
mates were log10 0.37 µg/L (0.39) between the Posthuma and EC, and 
log10 1.9 µg/L (1.8) between the maximum and minimum PNEC, for 
acute and chronic estimates, respectively. Comparing the assessment 
factor methods to the SSD method in Table 2, the results from the 
assessment factors were always within the range of the LL-HC5 and 
UL-HC5. The HC5 estimates ranged between a factor of 0.1 and 3 as 
compared to the values derived by the assessment factor methods, i.e., 
the HC5s and the PNECs yielded similar results. 

3.2. Evaluation of risks in surface waters 

In the Swedish rivers investigated by Malnes et al. [39], 8 CECs had 
RQ> 1 in at least one spatiotemporal location (Table 3) and 20 CECs 
posed a moderate risk (0.01 <RQ<1) (Table S7 in SI). Additionally, 
PAF-NOEC> 5% was exceeded by 2 CECs (Table 3). Fifty CECs identified 

or suspected as PM(T)s or vPvM were identified across all rivers 
(Table S8). 

With increasing value of either RQf or PAFf, the greater the hazard 
potential to the environment of the respective substance. Based on the 
priority list developed by Zhou et al. [69], there are five categories of 
environmental risk of RQf: high (RQf ≥ 1), moderate (1 > RQf ≥ 0.1), 
small-scale or endurable (0.1 > RQf ≥ 0.01), negligible (0.01 > RQf > 0), 
and safe (RQf=0). Substances with no exceedance of RQ (i.e., no RQf) posed 
no environmental hazard. Comparing results to studies using the RQf-ap-
proach [21,69], two previously unmentioned substances (furosemide and 
PFOS) were found in the endurable to high-risk interval. Additionally, 
lamotrigine, oxazepam and venlafaxine have previously been identified as 
likely posing high risk to the environment, while sertraline, desvenlafax-
ine, and diclofenac have been suggested to pose moderate risk [21]. 
Recently, the European Commission established an EU-wide monitoring 
Watch List, including desvenlafaxine and venlafaxine [16]. The ubiquitous 
distribution of these two substances (detection frequency 100% and 79%, 
respectively), and their likeliness of posing toxic effects to the environment 
(11% and 30% (Table 3), respectively) in this study confirm their relevance 
on the EU Watch List. Furosemide has been modelled to repeatedly exceed 
acute toxicity levels in Swedish rivers in an earlier study [35]. This was 
verified in this study, where furosemide exceeded the acutely hazardous 
concentration for 3% of the species assemblage (aHC3), i.e., the lowest aHC 
where the toxic pressure on the directly-affected species can cause loss of 
one or several secondary species within the same food web (resilience to-
wards secondary deletion) [44,70]. This threshold was exceeded at three 
occasions, twice at the same place (Fig. 1). Caffeine exceeded aHC3 twice, 
both at the same place (Fig. 1). More intense sampling efforts could be 
needed to evaluate the temporal extent of the CECs exceedance of acute 
and chronic toxicity levels. This information should be compared to the 
exposure scenarios in the toxicity study of the potentially affected taxo-
nomic group(s), as well as the affected taxonomic group’s connectance 
within the food-web [44]. Three of the river samples had no CECs with any 
risk to the environment, whereas the remaining had at least one CEC with 
low risk to the environment (Fig. 1). Multiple sites showed co-occurrence of 
several hazardous CECs, thereby increasing the risk of additional and 
synergistic effects from different CECs. 

Five CECs were identified as hazardous in the lake samples, due to 
the combination of exposure and available ecotoxicity data: desvenla-
faxine (n = 50), diclofenac (n = 14), lamotrigine (n = 5), sulfamethox-
azole (n = 4), and propylparaben (n = 3) (Fig. 2). 

The median number was 3 CECs with some risk to the environment, i. 
e., RQ> 0.01. Urban lake sites for lake Mälaren, i.e., L1, L2, L7, and L8, 
were the only sites for the lake which had concentrations of CECs which 
exceeded a chronic RQ of 1 (Fig. 2). Lake Vänern and Lake Vättern had 
one site, respectively, which exceeded a chronic RQ of 1 (Fig. 2). Thirty- 
three CECs with identified or suspected PM(T)/vPvM properties were 
found in the lakes, 30 CECs of which were found in non-urban lake sites 
(Table S8 in SI). 

Table 2 
Chronic species sensitivity distribution parameters for substances that lacked both acute and chronic SSDs.  

Substance n µ σ HC5 LL HC5 UL HC5 SSD quality score 

Atenolol  5  3.77 1.70 0.75 -3.36 2.39  1311 
Bezafibrate  4  3.46 1.83 0.11 -5.97 2.10  1311 
Bisoprolol  2  4.02 - - - -  1324 
PFBS (perfluorobutanesulfonic acid)  2  5.28 - - - -  1224 
PFHxA (perfluorohexanoic acid)  4  4.54 1.29 2.17 -2.10 3.57  1311 
PFHpA (perfluoroheptanoic acid)  2  4.41 - - - -  1224 
PFOA (perfluorooctanoic acid)  8  2.82 1.15 0.85 -0.83 1.73  1224 
PFNA (perfluorononanoic acid)  3  3.47 2.05 0.31 -12.2 2.16  1223 
PFDA (perfluorodecanoic acid)  3  2.13 1.96 0.021 -12.9 0.87  1224 
Tolyltriazole  3  3.00 0.37 2.29 0.20 2.77  1324 

n: number of tested taxonomic groups; µ: log-transformed median population concentration; σ: log-transformed population standard deviation; HC5: log-transformed 
median estimate of the hazardous concentration for 5% of the species assemblage; LL HC5: log-transformed lower estimate of the HC5; UL HC5: upper estimate of the 
HC5. Accompanied by an SSD quality score following the scoring system by Posthuma et al. [50] (Table S2 in SI). Cells without values signifies a lack of data to derive 
the parameters. 
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While larger bodies of water (e.g., lakes) are thought of as a reme-
diation of pollutants through dilution, the results herein display that the 
dilution may not be sufficient for some CECs with possible PMT prop-
erties as they were exceeding chronic toxicity levels. 

3.3. Persistent, mobile, and toxic (PMT) substances 

PM substances have the potential of being transported far from their 
source into the aquatic environment [52]. In the preceding work [39], 

Table 3 
Detection frequency (DF), calculated risk quotient (RQ), optimized RQ (RQf), potentially affected fraction (PAF) and optimized PAF (PAFf) for substances (n = 91) with 
at least one sampling site exceeding an RQ of 1, i.e., substances posing high risk to the aquatic environment in the rivers investigated by [39].a.  

Substance DF [%] 0.01 <RQ< 1 RQ> 1 Mean RQ F [%] RQf 

Clarithromycin 55 13 1 9.4E-04 2 2.0E-05 
Bicalutamide 98 30 2 2.3E-03 4 9.6E-05 
Desvenlafaxine 100 38 5 3.3E-03 11 3.5E-04 
Carbamazepine 100 41 4 6.7E-03 9 5.7E-04 
Sertraline 26 11 1 5.4E-02 2 1.1E-03 
Daidzeinb 32 12 3 1.1E-01 6 6.9E-03 
Oxazepam 87 29 11 4.3E-02 23 1.0E-02 
Venlafaxine 79 22 14 4.0E-02 30 1.2E-02 
PFOS 64 4 26 1.3E+ 01 55 7.1E+ 00 
Substance DF [%] 1%<PAF< 5% PAF> 5% Mean PAF F [%] PAFf 

Caffeine 100 1 1 1.5E-03 2.1 3.25E-05 
Furosemide 40 4 15 7.0E-02 32 2.24E-02 

a RQ< 0.01: unlikely to represent a risk to the environment; 0.01 <RQ< 1: low to moderate risk to the environment; RQ> 1: high risk to the environment; F: frequency 
of RQ> 1 exceedance; RQf: optimized risk quotient; PAFf: optimized potentially affected fraction. PFOS: perfluorooctanesulfonic acid. b Daidzein has, at least a 
partially, natural origin [51]. 

Fig. 1. Number of hazardous substances (out of 91 detected) in river samples entering Lake Vänern, Lake Vättern and Lake Mälaren, Sweden (acute, RQ>1 >

chronic, RQ>1 > chronic, RQ>0.01). 

Fig. 2. Number of hazardous substances (out of 71 detected) in Lake Vänern, Lake Vättern and Lake Mälaren, respectively (acute, RQ>1 > chronic, RQ>1 >

chronic, RQ>0.01). 
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some of the 91 detected CECs were argued to be PMs. Twenty of the 91 
detected substances had already been identified as PM(T)/vPvM, and an 
additional 24 have been listed as ‘Potential PMT/vPvM’ or PM (Table S8 
in SI) [1,29,4,43,45,59]. However, three of the suggested PMs (meth-
ylparaben, oxybenzone, and sulisobenzone) are listed as readily or 
inherently biodegradable in their respective ECHA registration dossiers, 
disqualifying them from the ‘P′ criteria [14]. To explore which other 
CECs could fit the PM(T) criteria, a Weight-of-Evidence approach based 
on detection frequencies (DFs) was applied on monitoring data, 
accompanied with other available Weight-of-Evidence information (Sec-
tion 2.2.1 Persistence in surface waters). A subset of sampled lake sites 
(n = 9), namely non-urban sites from Malnes et al. [39], were investi-
gated for potential PM(T)s. This subset of sites was chosen due to their 
relatively long distance from known point sources, i.e., populated areas, 
which could indicate environmental persistence [14]. Using a selection 
criterion of DF > 0% at the sites, bicalutamide, lamotrigine, nicotine, 
oxazepam, and tolyltriazole (all DF ≥ 50%, PNEC < 10 µg/L) were 
identified as potential PMT substances (Table 4). Their high occurrence 
at non-urban lake sites, combined with the Weight-of-Evidence presented 
in Table 4, adds credibility to the potential PM status of these 
substances. 

PFHxS: perfluorohexanesulfonic acid; PFOA: Perfluorooctanoic acid. 
While bicalutamide has been identified as ‘potential PMT/vPvM’ 

based on modelling results previously (Table S8 in SI) [4], to the best of 
the authors’ knowledge, it is the first time that this strong PMT evidence 
has been presented for the compound (bicalutamide: P: supplemented 
with hydrolysis data, aerobic biodegradation based on experimental 
data rather than modelled data). 

Furthermore, the previously identified potential PM substances 
(Table S8) cetirizine, DEET, PFNA, sucralose, and tramadol were found 
in DFs≥ 50% at the non-urban sites. These potential PMs’ occurrence 
adds to the credibility of the PM status of these substances. Additionally, 
fexofenadine and primidone were found in similar DF ranges, which, to 
the best of the authors’ knowledge, was the first time fexofenadine has 
been identified as a potential PMT candidate. Previously identified PMs 
with 50%≥DFs> 0% were codeine, FOSA, mirtazapine, and oxycodone. 
Additionally, carazolol, clindamycin, HCTZ, panthenol, and primidone 
had 50% ≥ DFs > 0%. Additional Weight-of-Evidence information of 
these potential PMs, predicting their environmental fate, can be found in 
Table S9 in SI. By examining the Weight-of-Evidence, some CECs could be 
disregarded, as their properties do not match the PM(T) profile. Pan-
thenol and HCTZ were predicted to quickly degrade in the aquatic 
environment. This stresses the need for Weight-of-Evidence before con-
clusions regarding PM status from monitoring data can be drawn. Since 
no cut-off value for photodegradation persistence currently exists, the 
analysis for fexofenadine and lamotrigine was not straight-forward. An 

extended discussion is available in SI (Text SI.3). In essence, it could be 
argued that fexofenadine might fit the label “transient PM” or “unstable 
MOC”, labels as defined by Arp et al. [3], due to experimental condi-
tions. This discussion also extends to lamotrigine, as it has currently the 
status of ‘potential PMT/vPvM’ [4] but has a photodegradation time of 4 
days [67]. 

Primidone has been argued to not have enough data to draw a 
conclusion of their PMT status [4]. Here, primidone was presented with 
experimental data for aerobic biodegradation, photodegradation, and 
monitoring data, as well as modelling results for hydrolysis, mobility 
and read-across from acute toxicity (Table S9). This combination of data 
supports the conclusion of primidone as PM, but no definitive conclusion 
could be reached regarding the ‘T′ property. Cetirizine, clindamycin, 
fexofenadine, mirtazapine, and primidone lacked chronic toxicity tests 
for all taxonomic groups, only modelled toxicity values were available. 
Thus, these potential PM substances’ chronic ecotoxicity status could be 
considered unexplored territory. 

Currently, PFOS was the only PM(T) substance which had an envi-
ronmental quality standard (EQS) in surface waters [19]. Proposals for 
EQSs in surface waters have been suggested for a number of substances: 
azithromycin, carbamazepine, clarithromycin, diclofenac, erythromycin, 
ibuprofen, and 24 PFASs [18]. If implemented as proposed, diclofenac 
would have exceeded the annual EQS in 21% of the river sites, and PFASs 
would have exceeded the annual EQS in 25% of the investigated lake sites. 
The most recently established EU-wide Watch List included a number of the 
previously identified PM(T)s: sulfamethoxazole (potential PMT), 
trimethoprim (potential PMT), venlafaxine (PMT) and desvenlafaxine 
(potential PMT), metformin (PM), and BP-3 (PM) [16]. On the same list, 
the herein identified potential PM(T) substance clindamycin was included. 
As such, it is expected that more information of the environmental occur-
rence, and potentially adding more information regarding the environ-
mental persistency and aquatic mobility, of the PM(T)s will be available 
within the near future. Concentrations of cetirizine and fexofenadine have 
been found at ng/L levels in one of the lakes studied herein [24,53], con-
centrations of mirtazapine in other European lakes has been found in pg/L 
levels [37], while panthenol and primidone were, to the best of the authors’ 
knowledge, unexplored for European lakes. However, both panthenol and 
primidone has been commonly detected in the low to tens of ng/L levels 
[23,55] in rivers. Likewise, cetirizine, fexofenadine and panthenol have 
been detected in WWTP-affected rivers in the hundreds of ng/L levels [23]. 
While cetirizine, fexofenadine, mirtazapine, panthenol, and primidone 
have not been included on the upcoming EU-wide Watch List, further 
studies into the PMT properties of these potential PM substances’ could be 
worthwhile. 

Based on their high detection frequency and Weight-of-Evidence, 
cetirizine and fexofenadine should be explored more thoroughly. It has 

Table 4 
Substances with persistent, mobile, and toxic (PMT) or very persistent and very mobile (vPvM) properties at non-urban lake sites (n = 9). Freshwater persistence as 
defined in ECHA (2017), mobility as defined by [45].  

Substance 

Freshwater persistence   

Aerobic 
biodegradation 

Photo- 
degradation 

Hydrolysis Mobility PNEC (µg/L) 

Bicalutamide Pc vPd NA 5E-03–200 ha log Kd 1.4–1.8b 0.092 (T)e 

Lamotrigine Pd 4 df NA M-vMa 5 (potential T)†

Nicotine nPd NA NA vMa 1.8 (potential T)†, 8.8 (potential T)g 

Tolyltriazole nPd NA NA vMa Potential T (1.58–590)†

† HC5/PNEC calculated in this study 
aUS EPA [64] 
bGolovko et al. [24] 
cSeller et al. [60] 
dEPIsuite BIOWIN2&3 models 
e Panter et al. [47] 
f Young et al. [67] 
g Posthuma et al. [50] 
nP: not persistent; P: persistent; vP: very persistent nM: not mobile; M: mobile; vM: very mobile NA: not available 
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been predicted that vertebrates (e.g., fish and amphibians) and metazoa 
(crustaceans) have drug orthologues for fexofenadine and cetirizine, i.e., 
that the drug targets have been evolutionary conserved [66]. Since both 
the antiepileptics carbamazepine and lamotrigine are PMT candidates, 
the antiepileptic primidone could prove to be harmful. 

Cetirizine, clindamycin, fexofenadine, and mirtazapine are all ion-
isable within the environmentally relevant pH range based on their 
predicted pKa, meaning that their fate (EC-JRC, 2003; [61]) and toxicity 
([8]; EC-JRC, 2003) can drastically alter based on pH. It is the recom-
mendation of the authors that cetirizine, clindamycin, fexofenadine, and 
mirtazapine should be investigated with regards to their PM criteria 
under varying pH conditions. Furthermore, if PM criteria are fulfilled for 
any of the CECs, ecotoxicological studies are recommended for the 
evaluation of the T criterion. 

4. Conclusions 

Acute SSDs for bisoprolol, PFBS, PFDA, PFHpA, PFHxA, PFNA, 
PFOA, and tolyltriazole, as well as chronic SSDs for atenolol, bezafi-
brate, PFNA, PFDA, PFHxA, and PFOA, were derived. Of the chronic 
SSDs, all are within the range of being classified as potentially toxic at 
the HC5-level. Additional ecotoxicity studies are needed to narrow the 
HC5 estimates. The developed SSDs could be applied in a hazard 
assessment. 

Furosemide and caffeine exceeded acute toxicity levels in some rivers 
on occasions. Desvenlafaxine, diclofenac, lamotrigine, sulfamethoxa-
zole, and propylparaben were found to exceed no risk to the environ-
ment in the lake samples. Of these, lamotrigine, propylparaben, and 
sulfamethoxazole could be labelled as PMTs. Overall, this study shows 
the importance of studying field data at large spatial scale to reveal 
potential environmental hazards in remote areas. 

This study contributes to the list of potential PMs and adds credence 
to the PM status of PM(T)s found at non-urban lake sites. More research 
is needed to establish the definitive status of the potential PM(T)s, e.g., 
by examining the PM(T) properties in laboratory studies or in other 
geographical regions. 

Environmental Implication 

Recently, persistent, mobile, and toxic (PMT), as well as very 
persistent and very mobile (vPvM), substances have received increas-
ingly attention. One particular concern for the environment is the spatial 
distribution and potential toxic effects of PMT substances in remote 
areas. New species sensitivity distributions (SSDs) were derived for five 
contaminants of emerging concern (CECs) with potential chronic 
toxicity (<0.01 mg/L). The exceedance of risk quotients (RQ) in Swed-
ish surface water and the detection of PMT and vPvM compounds at non- 
urban areas call for source reduction and further monitoring and 
assessment of CECs in the aquatic environment. 
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