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Chloe Marie Wilson

Assessing the effect of temperate MPAs on elasmobranch communities

ABSTRACT

Global chondrichthyan (sharks, skates, rays and chimaeras) populations are experiencing
alarming declines, driven by intense targeted and incidental extraction. Marine Protected
Areas (MPAs) represent one potential solution, which has gained traction in recent years.
When implemented effectively, MPAs demonstrate potential to rebuild populations and
enable ecosystem recovery. However, their value as an elasmobranch conservation tool
remains contested, particularly in temperate waters such as the UK. One essential
component of MPA efficacy is the implementation of robust ecological monitoring regimes
that allow species trajectories to be characterised and responded to, in real-time. However,
several challenges, inherent to both elasmobranchs and temperate marine environments,
currently impede adequate elasmobranch surveillance inside MPAs. This thesis addressed
these two interlinked components of elasmobranch conservation by 1) exploring the drivers
of temperate MPA success and 2) investigating opportunities for elasmobranch monitoring
advancements. A literature review was conducted to explore the determinants of MPA
success for temperate elasmobranch conservation. Meanwhile, novel monitoring
opportunities presented by technological developments were explored, in relation to
current method limitations. This was aided by an in-depth field study exploring the impact of
Lyme Bay MPA on the elasmobranch community, using a 12-year BRUV dataset. Finally, a
drifting pelagic BRUV was developed to address specific difficulties associated with surveying
pelagic sharks and their wider food webs. This thesis found that MPAs exhibit potential to
benefit temperate elasmobranchs, but their success varies vastly between contexts
depending on a variety of social and biophysical factors. Furthermore, studying Lyme Bay
MPA identified minimal robust evidence of benefits on the elasmobranch community, and
these were mainly afforded to a small-bodied, fast-growing shark (Scyliorhinus canicula).
Finally, the pelagic drifting BRUV failed to detect pelagic sharks, but demonstrated value for
characterising spatial variation in the wider pelagic food web. Overall, this work indicates
that temperate elasmobranch MPAs can represent an effective elasmobranch conservation
tool when the necessary guardrails are in place. Furthermore, to guarantee comprehensive
elasmobranch protection, MPA establishment should be supported by robust ecological
monitoring and a wider network of target and limit-based conservation strategies.
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Introduction

Elasmobranchs (sharks, skates and rays) represent a highly successful and ancient taxon of
cartilaginous fishes, with an expansive history tracing back to their divergence from
actinopterygians (ray-finned fishes) 400 — 450 million years ago (Long, 1995; Nelson, 2006;
Stein et al., 2018). Their diversification throughout the marine realm often positioned them
near the top of marine food webs (Stevens, 2000; Heupel et al., 2014; Roff et al., 2016)
where they have remained for millions of years, exerting top-down control on lower trophic
levels (Ferretti et al., 2010; Heithaus et al., 2012). Elasmobranchs remarkably persisted
through four of the “big five” mass extinction events, including the end-Cretaceous
extinction (Bazzi et al., 2021) which eradicated 76% of all species on Earth (Jablonski, 1991).
However, their evolutionary prosperity has presented no barrier to human exploitation,
which has decimated global populations in a matter of centuries (Dulvy et al., 2008; Dulvy et
al., 2021). Elasmobranchs continue to be subject to intensive commercial extraction, driven
by both targeted efforts to obtain lucrative elasmobranch products (e.g. meat, fins,
squalene) and retention as a valuable bycatch species in other fisheries (e.g. billfish, tuna
and prawn fisheries (Stobutzki et al., 2000; Molina & Cooke, 2012; Worm et al., 2013)).
Consequently, current estimates indicate that 32.6% of all Chondrichthyan (elasmobranchs
and chimeras) species are approaching extinction according to IUCN Red List criteria (Dulvy
et al., 2021) signifying the onset of a global crisis.

Equipped with this understanding, marine resource managers have reached a crossroads,
whereby the interventions chosen in the coming decade will define the capacity for
elasmobranch species recovery. An array of potential conservation strategies exist, from
fishing restrictions (e.g. quotas, landing size limits) to market regulations (e.g. fin trade bans,
CITES appendices) and these have been adopted at various scales and with differing degrees
of success (Tolotti et al., 2015; Simpfendorfer & Dulvy, 2017; Ferretti et al., 2020; Jorgensen
et al., 2022). While there is consensus that integrated implementation of multiple strategies
is required for optimal protection, much remains unknown about the specific value of
marine protected areas (MPAs) as an elasmobranch management tool (Jorgensen et al.,
2022).

MPAs can be used to limit or exclude fishing activity from a discrete area of marine habitat,
both for the benefit of marine populations and to reverse habitat degradation (Gell &
Roberts, 2003; Duarte et al., 2020). However, their appropriateness for protecting highly
mobile species has triggered considerable debate (Roberts, 2000; Game et al., 2009; Breen
et al., 2015) and their success is contingent on a range of factors (Edgar et al., 2014;
MacKeracher et al., 2019). Despite this, considerable growth in MPA establishment over the
past decade has been driven explicitly by elasmobranch conservation (MPA Atlas, 2016;
Davidson & Dulvy, 2017) representing a substantial investment of conservation resources. To
improve the management of existing MPAs and optimise designation of new MPAs, a range
of evidence gaps must first be populated. Firstly, elasmobranch research has
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disproportionately focussed on large, apex predatory sharks (particularly Sphyrnidae and
Carcharhinidae (e.g. Hayes et al., 2009; Curtis et al., 2014; Pacoureau et al., 2021)), leading
to a greater understanding of these populations relative to smaller sharks and batoids
(skates and rays). Meanwhile, our current knowledge of MPA performance is based
predominantly on tropical case studies (MacKeracher et al., 2019), whilst temperate MPA
examples, particularly in the Northern Hemisphere, are scarce and their efficacy remains
comparatively inconclusive (Breen et al., 2015). Of particular priority is determining the
underlying conditions (e.g. MPA management style, size, location) of MPA success, and
identifying the elasmobranch species that may benefit from their establishment.

Furthermore, inextricably linked to MPA effectiveness is the ability to monitor population
responses following their initiation (Fox et al., 2014; Ahmadia et al., 2015). Without
adequate monitoring, conservation outcomes cannot be evaluated relative to objectives,
which impedes the adaptive management necessary to protect spatiotemporally dynamic
populations (Haney & Power, 1996; Rouphael, 2020). However, accurate assessment of
elasmobranch populations is complicated by their scarcity as depleted apex and
mesopredators (Dulvy et al., 2021), and by method limitations which make in-situ
observation logistically challenging, costly and often destructive (Port et al., 2016; Talwar et
al., 2020). Challenges are exacerbated further for: 1) pelagic species, due to even lower
abundances, patchy distributions, and less accessible habitats (Letessier et al., 2017) and 2)
in temperate waters where water visibility often represents a constraint for visual methods
(Unsworth et al., 2014). Resultantly, elasmobranch populations assessments have historically
depended on fishery landings data and fishery-independent extractive surveys (Clarke et al.,
2008; Letessier et al., 2017). However, these too are constrained by low taxonomic
resolution (Dulvy et al., 2000; Clarke et al., 2008), underreporting of catch (Worm et al.,
2013) and are inappropriate for study of vulnerable populations in MPAs. Overall, less than
5% of elasmobranch species have been directly or indirectly assessed with fisheries stock
assessments (Cortés et al., 2012; Simpfendorfer & Dulvy 2017) and 12.9% of
Chondrichthyans remain Data Deficient (DD) meaning their conservation status cannot be
evaluated (Dulvy et al., 2021).

There is a clear need for novel methodologies to advance the monitoring of elasmobranch
populations, including those inside MPAs and facilitate a move away from reliance on
fishery-dependent and extractive surveillance. Several technologies offer encouraging
alternatives, ranging from molecular tools such as eDNA (Boussarie et al., 2018) and visual
methods (e.g. drones (Butcher et al., 2021)). While many of these tools have not been fully
evaluated in the specific context of elasmobranch monitoring in temperate MPAs, their use
in various contexts has demonstrated potential to revolutionise elasmobranch monitoring.
Particularly encouraging, is the emergence of pelagic video monitoring methods (e.g. pelagic
(BRUVs), animal borne video systems (ABVSs)), which may overcome the magnified
challenges associated with monitoring pelagic elasmobranchs (Letessier et al., 2017; Chapple
et al., 2021). Pelagic BRUVs have demonstrated capacity to non-invasively characterise
pelagic communities in tropical waters (Santana-Garcon et al., 2014a; Bouchet & Meeuwig,

2015), however, there is not yet any published literature employing this method in the UK.
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This thesis aims to address several of the knowledge gaps formerly highlighted to optimise
the future use of temperate elasmobranch MPAs and their monitoring. The thesis is
structured in the following way:

Chapter 1 aims to explore how MPA design, management and monitoring could be
optimised to benefit temperate elasmobranchs. This was achieved by conducting a literature
review with the following objectives:

e Determine the major drivers of MPA success in the specific context of temperate
elasmobranch conservation.

e Characterise the challenges associated with monitoring elasmobranchs in temperate
MPAs and identify opportunities for advancement.

e Recommend a best practice protocol to improve the future adoption of temperate
elasmobranch MPAs.

The aim of Chapter 2 was to characterise the effect of Lyme Bay MPA on the elasmobranch
community in order to understand the value of partially-protected, non-elasmobranch
focussed MPAs to elasmobranch conservation. Home to a range of priority species (e.g.
Tope, Rajidae Skates, Smoothounds), this study set out to determine which elasmobranch
species, if any, were afforded benefits and to characterise potential underlying drivers. A
secondary goal was to take advantage of the extensive BRUV survey dataset to provide a
detailed fishery-independent account of the overlooked elasmobranch community. This was
broken down into the following objectives:

e Determine the effect of Lyme Bay MPA on elasmobranch abundance.

e Determine the effect of Lyme Bay MPA on elasmobranch diversity.

e Explore the role of elasmobranch exploitation and habitat associations in driving
MPA efficacy.

e Examine the significance of the Lyme Bay elasmobranch community in relation to
wider research

Finally, Chapter 3 honed-in on the specific challenges related to surveying both pelagic
elasmobranchs and the pelagic component of temperate MPAs. This chapter set out to
develop and test a drifting pelagic BRUV, highlighting advantages and limitations to guide its
future use. The following objectives were achieved:

e Design and build six pelagic BRUV units.

e Design and deliver a pilot study to demonstrate the potential of pelagic BRUVs as a
temperate research tool.

e Quantify spatial (horizontal and vertical) variation in pelagic communities inside Lyme
Bay MPA.

11



Chapter 1: How can MPA design, management and monitoring be
optimised for temperate elasmobranch conservation?

1.1. Introduction

Elasmobranchs (sharks, skates and rays) are confronted with a multitude of threats, from
anthropogenic pollution to habitat destruction (Dulvy et al., 2014). However, overfishing,
driven by high demand for elasmobranch products (e.g. fins and meat) (Worm et al., 2013)
and exacerbated by substantial bycatch rates (Molina & Cooke, 2012) has had the most
detrimental impact on elasmobranchs globally (Dulvy et al., 2021). Fishing has caused over
one third of chondrichthyans (elasmobranchs and chimeras) to be considered threatened
globally (Dulvy et al., 2021) and depleted several UK elasmobranch populations, including
large-bodied skates, and pelagic sharks (Walker and Heessen, 1996; Rogers et al., 1999; Ellis
et al., 2005; Clarke et al., 2008). Furthermore, elasmobranchs generally exhibit K-selected
life history strategies (e.g. slow growth and low fecundity (Cortés, 2000)) which inhibit their
recovery, making them extremely vulnerable to overexploitation (Dulvy et al., 2008; Worm
et al., 2013). This is especially alarming considering the crucial role elasmobranchs play in
maintaining ecosystem health, structure and function (Myers et al., 2007; Ruppert et al.,
2013; Roff et al., 2016). In particular, the removal of elasmobranchs at apex predator level
can trigger knock-on impacts throughout the food web (e.g. trophic cascades) due to the
deregulation of lower trophic levels (Heithaus et al., 2007; Ruppert et al., 2013).

The many conservation strategies proposed to tackle elasmobranch declines can be broadly
condensed into: target-based and limit-based strategies (Shiffman & Hammerschlag, 2016).
Target-based strategies (e.g. catch and size limits) aim to facilitate sustainable exploitation of
elasmobranch populations by regulating landings with quotas and limits (Walker, 1998;
Worm et al., 2014). Unfortunately, these policies are difficult to enforce, require detailed
prior knowledge of the target species and rely on considerable supervision and fishery
management infrastructure (Shiffman & Hammerschlag, 2016). Consequently, only 9% of
global elasmobranch catch is considered biologically sustainable (Simpfendorfer & Dulvy,
2017), and these fisheries are typified by exploitation of relatively productive, small-bodied
elasmobranchs such as the Gummy Shark (Mustelus antarcticus (Walker, 1998; Shiffman &
Hammerschlag, 2016)).

Alternatively, limit-based strategies employ spatial management to exclude elasmobranch
threats from a clearly defined area. These include marine protected areas (MPAs) which may
(e.g. shark sanctuaries) or may not be designated specifically for elasmobranchs. These can
be easier to manage than nuanced, context specific quotas and limits, since any fishing
activity can be clearly identified as illegal (Shiffman & Hammerschlag, 2016), however they
too require considerable management infrastructure (MacKeracher et al., 2019). Evidence is
mounting to support the use of MPAs for elasmobranch conservation, despite doubts over
their efficacy for protecting highly mobile species (Shipp, 2003; White et al., 2013; Thorburn
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et al., 2015; Oh et al., 2017). Whilst the performance of MPAs in tropical regions and for a
select number of species (e.g. tiger sharks (Galeocerdo cuvier) and blacktip reef sharks
(Carcharhinus melanopterus)) is relatively well-documented (Acuna-Marrero et al., 2017,
Daly et al., 2018; Speed et al., 2018; Gallagher et al., 2021), fewer studies have investigated
the value of temperate MPAs. Therefore, before MPAs can be implemented as a core
elasmobranch conservation method, the true value of temperate MPAs should be further
investigated and crucial knowledge gaps must be addressed. These include identifying the
specific conditions under which MPAs are successful and for which species benefits can be
afforded (De Santo, 2013; Pala, 2013; Davidson & Dulvy, 2017).

Furthermore, it is becoming widely agreed that no conservation strategy should be
considered complete without the establishment of a complementary monitoring regime. In
the absence of adequate surveillance, neither target nor limit-based strategies can be
appropriately evaluated or adapted, and the status of target populations cannot be
determined (Leverington et al., 2010; Ahmadia et al., 2015). Unfortunately, a lack of
effective monitoring methods and regimes has led to overdependence on fishery landings
data for characterising elasmobranch population trends (Letessier et al., 2017) which are
often incomplete and display low taxonomic resolution (Clarke et al., 2008; Griffiths et al.,
2013). Meanwhile, existing fishery-independent survey techniques exhibit inherent
limitations and biases (Stat et al., 2018), particularly in temperate waters where water
turbidity often represents a barrier for visual methods. Monitoring of elasmobranchs is
further impeded by their mobile and often elusive nature (Letessier et al., 2017; Pikitch,
2018) which makes observation in-situ challenging. Together, these roadblocks have allowed
elasmobranch declines in the UK to go largely unnoticed or be detected retrospectively with
little opportunity for intervention (Ellis et al., 2005; Port et al., 2016; Hiddink et al., 2019;
Wall & Dulvy, 2021). There is therefore a clear need to explore alternative, real-time
monitoring strategies and optimise existing methods for use on elasmobranchs to better
support elasmobranch conservation efforts.

This paper aims to contribute to enhanced temperate elasmobranch conservation by
exploring two key and complementary aspects of elasmobranch management. Firstly, the
determinants of MPA success for temperate elasmobranchs will be investigated and
summarised. Secondly, in order to advance elasmobranch MPA research, the key limitations
of current elasmobranch monitoring methods will be analysed alongside opportunities
presented by novel methods and technological innovations (e.g. eDNA and machine
learning). Examples from the literature will be used to address these points and determine
key avenues for future research, focussing wherever possible on temperate water examples.
Finally, the findings of this review will be condensed into key ‘guardrails’ to guide and
enhance the future use of temperate elasmobranch MPAs.
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1.2. The drivers of MPA efficacy for temperate elasmobranch conservation

There is increasing evidence that MPAs can be highly effective for elasmobranch
conservation under certain conditions. These can be categorised into: 1) biophysical drivers
(natural factors intrinsic to focal species ecology and environment) and 2) social drivers
(human-influenced factors) of MPA success (MacKeracher et al., 2019).

1.2.1. Biophysical drivers of temperate elasmobranch MPA success

Firstly, the ecology and behaviour of the focal elasmobranch species plays a crucial role in
the success of MPAs. In particular, species mobility and spatial range relative to MPA size
and location have received considerable attention in the literature (Table 1.1.) since this
determines the amount of time the target species is exposed to and protected from fishing
(Murawski et al., 2000). It is generally agreed that species exhibiting a high degree of site
fidelity will benefit more from spatial protection than highly mobile species (Shipp, 2003;
White et al., 2013; Thorburn et al., 2015; Oh et al., 2017). However, even highly mobile
elasmobranch species can exhibit strong associations with small-scale habitats, either for
feeding or for specific life-history stages (Lascelles et al., 2014; Doherty et al., 2017).
Meaning that migratory species can be afforded MPA benefits when critical habitats are
protected (Casselberry et al., 2020). For instance, migratory Tiger sharks (Galeocerdo cuvier)
within the Bahamian shark sanctuary were found to spend 71% of their time in protected
waters due to their strong associations with protected seagrass habitats for feeding
(Gallagher et al., 2021). Similar findings were demonstrated in the Galapagos Marine
Reserve, where G. cuvier exhibited a high degree of philopatry with areas of predictable and
high prey availability (Acufia-Marrero et al., 2018). Site associations have also been identified
in some highly mobile temperate species such as the Spiny spurdog (S. acanthias (Vince,
1991; Thorburn et al., 2015)) which may justify their potential suitability for spatial
protection in certain areas (e.g. Loch Etive, Scotland).

Whilst it is well-established that spatial range varies between elasmobranch species,
different populations of the same species can also exhibit varying degrees of site residency
depending on; sex (Vince, 1991; Mucientes et al., 2009; Quieroz et al., 2010), ontogenetic
stage (Thorburn et al., 2019) and in response to various abiotic factors (Schlaff et al., 2014).
Meanwhile, advancements in telemetry-based research have revealed individual-level
variability in movement behaviours. For instance, porbeagle sharks (Lamna nasus) tagged off
the Southwest UK coast, displayed distinct individual departures in their use of vertical
habitat. In shallower coastal waters (< 80m), some sharks exhibited no depth preference,
whilst another displayed an association with surface waters during the day and moved into
deeper water (> 20m) at night (Pade et al., 2009). Intraspecific variation in movement
patterns, has been raised as a potential issue for the designation of MPAs, as spatial
management may disproportionately increase the survival of less mobile individuals,
ontogenetic stages or sexes (Stehfest et al., 2014) and may select for lower mobility over
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time (Dawson et al., 2006). Furthermore, the presence of inter and intraspecific variation in
mobility highlights the danger of generalising movement behaviours at a species-level and
the importance of using population-specific knowledge to evaluate the suitability of MPAs in
each unique circumstance.

The value of MPAs can also be enhanced if critical habitats associated with key ontogenetic
stages (e.g. parturition, mating) and important behaviours (e.g. feeding) are encompassed
(Le Port et al., 2012; Albano et al., 2021; da Silva et al., 2021). In particular, discrete
elasmobranch nursery areas are often advocated as ideal MPA locations, which if protected
adequately could result in significant population growth (Murawski et al., 2000; Heupel et al.
2007; Heupel et al., 2018). For instance, the discovery of high densities of flapper skate
(Dipturus intermedius) egg-cases, justified the recent (March 2021) establishment of the UKs
first skate-focussed MPA in Scotland (Marine Scotland, 2021; The Red Rocks and Longay
Nature Conservation Marine Protected Area (No. 2) Order 2021). Meanwhile, several studies
have deemed MPAs to be successful based on their inclusion of nursery habitats (as defined
in Heupel et al. (2007)), amongst other factors (Le Port et al., 2012; Oh et al., 2017). For
example, a small (34 km?) no-take MPA in South Africa considered highly valuable for the
encompassed Smoothound (Mustelus mustelus) population, since it incorporates a pupping,
nursery and feeding ground (da Silva et al., 2021). In contrast, Wiegand et al. (2011) argue
that the optimum way to ensure population growth is to protect subadult and adult
populations (particularly for k-selected species with late-age maturity and long lifespans
(Cortés, 2002; Kinney & Simpfendorfer, 2009) since their relative contribution to population
growth is greater than that of younger individuals. For this reason, conducting a
comprehensive population viability analysis (PVA) for target species to determine the
relative contribution of each size class to population growth, would aid the optimal
protection of habitats.
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Table 1.1. A summary of studies analysing the efficacy of temperate MPAs for elasmobranch conservation, including: the species studied, outcomes measured,
survey method and evaluation of the MPA’s success according to the author(s).

Study Location EIasmobr.anch(s) Outcome(s) Measured Survey Evaluation of MPA Success according to Author(s)
studied Method
Albano et South Africa 11 Elasmobranch Assemblage Composition, Baited Remote MPA deemed successful because relative abundance and frequency of occurrence of
al., 2021 Species Frequency of Occurrence and Underwater elasmobranchs was higher inside the MPA compared to control sites.
Relative Abundance Video (BRUVs)

da Silva et South Africa Mustelus mustelus Movement of sharks in and Acoustic MPA deemed partially successful because sharks exhibited a high degree of residency within

al., 2013 (Smoothound) around MPA Telemetry MPA boundaries. Furthermore, sharks spent more time inside the MPA during peak fishing

months, but were still exposed to commercial and recreational fishing when traversing MPA
boundaries.

da Silva et South Africa Mustelus mustelus Reproductive biology, diet, Fishery- MPA was considered highly successful because it protected a critical pupping/ nursery area and

al., 2021 (Smoothound) growth and maturity independent feeding ground, and sharks were larger and older here than any other location.

lethal capture

Le Port et North Island, Dasyatis brevicaudata Abundance, sex, size class, Diver Visual MPA deemed successful because it encompassed a breeding aggregation and nursery site, and

al., 2012 New Zealand (Short-tailed stingray)  mating wounds inside the MPA. Surveys rays exhibited predictable site residency within the MPA.
Link et al., Georges Bank Raja erinacea Inside vs outside MPA Seabed MPA deemed partially successful because individual skates were generally bigger inside than

2005 andin (Little skate) comparison of several biotic Observation and outside the MPA. However, substrate type was a stronger factor in the level of recovery/
Southern New Leucoraja ocellata (abundance, biomass, size, Sampling System species abundance because some habitats were far more vulnerable to fishery impact than
England (Winter skate) stomach contents, species (SEABOSS) and others.
richness of benthos and Otter Trawl
nekton)
Morel et Jersey, English Raja brachyura Time spent within and spatial Acoustic MPA was considered unsuccessful because the MPA was too small and skates were not
al., 2013 Channel (Blonde ray) use of MPA Telemetry spending enough time here for it to offer any real protection.
Raja microcellata
(Small-eyed ray)

Murawski  Georges Bank, Raja erinacea Temporal abundance changes Evaluation of MPA deemed successful because skates increased in abundance over time in closed areas and

etal, 2000 New England (Little Skate) historical fishery experienced reduced exploitation. However, several factors contributed to the level of success

Raja ocellata
(Winter skate)

closures and
landings data

including: degree of fish movement in and out of the area, amount of fishing effort in adjacent
areas and proportion of stock encompassed.
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Study Location EIasmobr.anch(s) Outcome(s) Measured Survey Evaluation of MPA Success according to Author(s)
studied Method

Rodriguez- Cantabrian Scyliorhinus canicula Abundance, catch length Bottom-trawl MPA deemed partially successful because it increased S. canicula biomass, however no
cabello et Sea, Bay of (Small-spotted composition, changes in survey benefits were received by the target teleost species (Hake, Megrim and Monkfish) or by skates.

al., 2008 Biscay, Spain catshark) species community and

and several skates biomass

Wiegand Thames Raja clavata Theoretical efficacy of MPA vs Four-season MPA was deemed the more successful option for R. clavata recovery than maximum size catch

etal., 2011 Estuary, (Thornback ray) size limits for R. clavata deterministic age- limits however, sole fishery yields would be more impacted by the MPA than size limits.
England population recovery based matrix

population model
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In some cases, the resilience of the habitat to fishing damage can greatly influence the value
of a protected area (Link et al., 2005). For instance, protecting a sandy or gravel habitat
from fishing gear may have less impact on species recovery than protecting a structurally
complex habitat (e.g. biogenic reef) because fishing does not dramatically alter dynamic
sandy and gravel habitats, whilst a biogenic reef could take years to recover after just a
single trawling event. Link et al. (2005) found that substrate type was more important than
the level of protection in driving groundfish species recovery in Georges Bank, New England,
since less vulnerable habitats could tolerate exploitation and recovered even in unprotected
sites. This suggests that MPAs are likely to be of increased value for species associated with
discrete, sensitive habitats.

1.2.2. Social drivers of temperate elasmobranch MPA Success

Decisions made during the design stage of MPA establishment greatly influence outcomes
for focal species (Rudd, 2015). Ideally, prior knowledge of the target elasmobranch species,
their life-history strategies and their unique interactions with local habitats should be used
to guide the design (e.g. site selection and size) of MPAs to maximise their value for target
species. Since, even relatively small MPAs can have positive impacts on elasmobranch
populations when designed effectively (Heupel et al., 2007; Albano et al., 2021).
Unfortunately, major knowledge gaps exist surrounding elasmobranch ecology and research
and conservation efforts have predominantly overlooked temperate, non-charismatic,
benthic and batoid elasmobranchs (Dulvy et al., 2014; Momigliano & Harcourt, 2014).
Resultantly, most MPAs are designed with little prior knowledge or planning and are
established opportunistically with vague objectives (Hearn et al., 2010; da Silva et al., 2013).
This can lead to the establishment of unsuccessful MPAs, due to inappropriate placement
and size, even for species with restricted ranges and exhibiting strong philopatry. For
instance, whilst Rajidae species have demonstrated predictable movement and significant
site fidelity, an MPA designated in Jersey (English Channel) was found to be ineffective for
Rajidae skates which only sporadically entered the MPA due to its small (0.5km?) size (Morel
et al., 2013). Similarly, an analysis of MPAs in Mozambique and South Africa found that only
5.97% of G. cuvier hotspots overlapped with MPAs (Daly et al., 2018). It is generally believed
that marine reserves should ideally be at least double the size of the home range of target
species to be beneficial (Green et al., 2015). Therefore, prior knowledge of species ranges
would greatly improve MPA design and ultimate success level.

Furthermore, the specific focus of the MPA is thought to influence conservation success
(MacKeracher et al., 2019), since non-elasmobranch focussed MPAs are theoretically less
likely to encompass critical elasmobranch habitats (e.g. mating or nursery grounds) or be
established at relevant spatial scales. But whilst MPAs designated specifically for
elasmobranchs (namely ‘Shark Sanctuaries’) are becoming increasingly popular, most are
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designated without a robust understanding of the target species and habitats (Gallagher et
al., 2021). Resultantly, elasmobranch focussed MPAs are generally perceived to be only
slightly more effective than more non-elasmobranch focussed MPAs (MacKeracher et al.,
2019).

When MPAs are established, fishing effort is often displaced which can lead to high levels of
fishing pressure directly outside MPA perimeters if left unchecked (Leurs et al., 2021). For
instance, destructive fishing methods were eliminated from two MPAs in West Africa but
more than 70% of surrounding buffer zones were impacted by destructive fishing gears (e.g.
trawling and longlines), which were associated with increased elasmobranch landings (Leurs
et al., 2021). Similarly, the extent and distribution of displaced fishing around MPA
perimeters in Georges Bank limited the recovery of some groundfish species (Murawski et
al., 2000). In this way, displaced fishing can negate MPA benefits, particularly if focal species
are frequently traversing MPA boundaries (Murawski et al., 2000; Leurs et al., 2021) and
may therefore disproportionately affect highly mobile and migratory species. Alternatively,
actively involving fisher communities with MPA management can have a significant positive
effect on MPA success by increasing compliance (Pollnac et al., 2010; Woodhouse et al.,
2015). In fact, ‘support and buy-in’ related factors are perceived as the most important
determinants of MPA success for elasmobranch conservation, even more so than ecological
and environmental factors (MacKeracher et al., 2019).

Increasing evidence demonstrates that limiting destructive fishing activities is essential to
allow elasmobranch populations to recover (Murawski et al., 2000; Pondella & Allen, 2008;
Ward-Paige et al., 2010). Unfortunately, most MPAs permit even the most destructive
fishing methods making them ecologically meaningless (Vianna et al., 2016; Dureuil et al.,
2018; Collins et al., 2021). Some MPAs theoretically prevent fishing through legislation, but
a lack of management and enforcement facilitates illegal fishing and undermines the
ecological benefits of spatial protection (White et al., 2015). For example, although the
CoCos Island MPA in Costa Rica is touted as a landmark conservation success story, diver
surveys discovered declines in the relative abundances of six elasmobranch species
including: scalloped hammerhead sharks (Sphyrna lewini) (-45%), whitetip reef sharks
(Triaenodon obesus) (-77%), mobula rays (Mobula spp.) (-78%) and manta rays (Manta
birostris) (-89%), meanwhile two further species were less likely to occur (White et al.,
2015). This was due to a lack of enforcement which facilitated illegal fishing within the MPA
but was also influenced by ineffective MPA design (White et al., 2015). However, increased
enforcement can lead to rapid and meaningful changes in species protection and ultimately
recovery. In Cape Byron Marine Park, Australia, improved management and enforcement of
an under-performing MPA lead to a 201% increase in fines (Kelaher et al., 2015) which was
associated with a significant increase in elasmobranch abundance and occurrences of
critically endangered grey nurse sharks (Carcharias taurus). Furthermore, to achieve holistic
protection of elasmobranch populations, all potential threats must be managed (not just
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commercial extraction), since the presence of additional threats (e.g. boat strikes or
recreational angling) can have adverse impacts on elasmobranch populations in MPAs (da
Silva et al., 2013; Allen et al., 2021).

Finally, whilst social factors (e.g. buy-in and enforcement) are generally perceived to be
more important to MPA success than biophysical factors (MacKeracher et al., 2019) the
relative importance of factors generally seems to vary based on the specific context of the
MPA. Furthermore, factors may interact uniquely in each setting to influence MPA success
in different ways. For instance, Murawski et al. (2000) discussed that when a species range
is not entirely encompassed by an MPA, the overall conservation success depends on fishery
effort in adjacent regions. Furthermore, strong habitat associations can increase the
benefits of MPAs for species that would otherwise not receive benefits from spatial
protection (Gallagher et al., 2021). Overall, whilst biophysical factors determine the ideal
ecological outcome, in actuality, MPA establishment involves a wide range of stakeholders
and is constrained by social limitations (e.g. limited money or resources for management).
For instance, whilst larger MPAs are generally desirable for increased protection of highly
mobile elasmobranchs (White et al., 2017) these require considerable enforcement and
monitoring which is often unfeasible (MacKeracher et al., 2019). Therefore, enhanced
understanding of the target species, environment and stakeholder conflicts would help
govern trade-offs to reach the best possible ‘middle-ground’, which achieves ecological
outcomes whilst meeting the needs of involved stakeholders, with the most effective use of
available resources (Jones, 2002).

1.3. Monitoring as an essential component of Temperate Elasmobranch MPAs

1.3.1. The importance of adequate MPA monitoring

Whilst monitoring does not directly influence MPA outcomes for elasmobranchs, well-
designed long-term monitoring is an essential aspect of MPA management (Santana-garcon
et al., 2014b; Rees et al., 2020; White et al., 2015; MacKeracher et al., 2019). Without
adequate monitoring, MPA performance cannot be evaluated in relation to objectives,
which prevents the continual adaptation and improvement (adaptive management)
necessary for long-term protection of dynamic populations (Oh et al., 2017; Rouphael,
2020). Unfortunately, although MPAs are being established at increasing frequency for
elasmobranch conservation (Gallagher et al., 2021), few have been implemented alongside
appropriate monitoring schemes, making it unclear whether target species are effectively
protected (White et al., 2015; Letessier et al., 2017). Furthermore, it is crucial that
monitoring is conducted at adequate frequency to detect population declines with enough
time for a proactive response (Parry et al., 2012). However, since population trend data is
often noisy, analysis over long periods is normally necessary to confidently identify declines,
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particularly for rare and depleted species and when data are incomplete (Ellis et al., 2005;
IUCN, 2022). According to the IUCN, declines (in either extent or abundance) should be
assessed over periods of ‘ten years or three generations, whichever is the longer’ (IUCN,
2022). These factors mean that declines in rare species are often only detected in hindsight
(Ellis et al., 2005; Taylor et al., 2007). Therefore, since MPAs are used to protect depleted
populations, integration of high-quality monitoring schemes should be a priority to allow
species declines to be detected and responded to in real-time.

1.3.2. How is MPA performance measured?

MPA performance can be measured using an array of different indicators and methods (as
demonstrated in Table 1.1), reflecting changes at individual, species or community level.
Commonly measured indicators and their associated survey strategies are summarised in
Table 1.2.

Table 1.2. Typical measurable indicators used to evaluate the efficacy of MPAs for elasmobranch
conservation, and their associated monitoring methods.

Measurable Indicator Survey Method (s)

Species movement in relation to MPA Telemetry (satellite or acoustic), photo
identification, mark-recapture, Drones/
Aerial Surveys

Relative abundance (inside vs outside the Fishery landings data, fishery-independent
MPA and changes over time since MPA surveys, BRUVs, UVC, Drones/ Aerial surveys
establishment)

Elasmobranch diversity (inside vs outside the Fishery landings data, fishery-independent

MPA and changes over time since MPA surveys, BRUVs
establishment)
Population size structure (inside vs outside Fishery landings data, fishery-independent

the MPA and changes over time since MPA surveys, BRUVs
establishment)

Condition/ Health of individuals (inside vs Fishery-independent surveys
outside the MPA and changes over time since
MPA establishment)

Presence of critical habitats or important Telemetry (satellite or acoustic), Fishery
reproductive events inside MPAs landings data, fishery-independent surveys,
BRUVs, UVC

Diet analyses (inside vs outside the MPA and  Stereo-Isotope Analysis, Stomach Contents
changes over time since MPA establishment) ~ Analysis
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At an individual level, the extent to which an elasmobranch remains within MPA boundaries
can be studied using traditional mark-recapture methods (Simpson et al., 2020) or satellite
or acoustic telemetry (Morel et al., 2013; da Silva et al., 2013). If conducted for a
representative sample size, this can provide a useful indication of the appropriateness of
MPA design for the focal population. Alternatively, analysing spatiotemporal changes in
elasmobranch abundance can reveal the role of MPAs in aiding population recovery
(Murawski et al., 2000; Le Port et al., 2012). Although an increase in abundance is often
used to signify a successful MPA (Speed et al., 2018), elasmobranch populations may take
years to fully recover from overexploitation due to K-selected life-history strategies (Cortés,
2000). Therefore, MPA success may be more realistically represented by a stable population
size or a halting or slowing of declines, particularly in the short-term (MacKeracher et al.,
2019). Similarly, population recovery can be measured by examining population size
structure (da Silva et al., 2021). Since fishing can disproportionately remove larger
individuals from a population and reduce the average size of species (Myers & Worm, 2003;
McClenachan, 2009), an increase in average size may represent a stabilisation of population
structure as a result of MPA protection (Rodriguez-cabello et al., 2008; Le Port et al., 2012).
Alternatively, MPA success may be signified by a high abundance of small size classes or
neonates, indicating the protection of an important nursery site (da Silva et al., 2021). More
specific aspects such as growth rate or ‘condition’ can also demonstrate the value of MPAs
as elasmobranch conservation strategies in improving population health (Henderson et al.,
2016; da Silva et al., 2021).

At a community-level, changes in assemblage structure such as biodiversity and community
biomass can be explored to examine the extent of community recovery (Link et al., 2005;
Rodriguez-cabello et al., 2008). Additionally, since removal of large apex predators can
trigger trophic cascades, MPA performance may be explored by investigating the proportion
of apex predators in relation to other trophic levels (Speed et al., 2018). Increasing numbers
of apex predators could signify a rebalancing of the food web therefore representing
community recovery and MPA success. Finally, since social factors such as compliance and
support are crucial for MPA success, measuring social indicators is becoming increasingly
important for analysing MPA performance on a holistic level (Wiegand et al., 2011;
MacKeracher et al., 2019).

1.3.3. Challenges and limitations associated with monitoring temperate elasmobranch MPAs

Several options exist for monitoring elasmobranch populations within and around MPAs
(Table 1.2.). However, most traditional methods exhibit limitations when applied to
temperate elasmobranch conservation research. Firstly, lethal and non-lethal capture of
individuals (e.g. fishery-independent surveys) is valuable for investigating crucial life history
knowledge gaps (e.g. reproduction, growth, diet) which ultimately enhance conservation
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(Heupel & Simpfendorfer, 2010). However, there is growing debate surrounding the
justification of using lethal sampling to obtain elasmobranch conservation data, since it
depletes already suffering populations (Hammerschlag & Sulikowski, 2011). Utilising fishery
landings data takes advantage of an existing data source, without further damaging
populations and is useful for characterising large-scale trends in abundance (Letessier et al.,
2017). However, many elasmobranchs have been historically recorded under blanket terms
(e.g. Skates and Rays (UK)), impeding the investigation of species-specific trends (Dulvy et
al., 2000). Furthermore, fisheries data is biased towards locations of high-species
abundance, whereas absence data is also necessary to determine the true extent of a
species range (Abel & Grubbs, 2020). Overall, this has resulted in a paucity of reliable
baseline data against which to evaluate the impacts of MPA establishment.

Visual methods such as BRUVs, submersibles and UVC (Underwater visual census) address
the need for non-invasive fishery-independent methods (Abel & Grubbs, 2020), appropriate
for recovering ecosystems (Sheehan et al., 2013). However, these require considerable
survey effort and can therefore be relatively costly and time-consuming. Furthermore,
visual methods require relatively clear waters and can be biased towards conspicuous
species whilst overlooking smaller, more cryptic species (Stobart et al., 2007; Harvey et al.,
2018; Albano et al., 2021). Furthermore, the efficacy of UVC is reliant on the focal species
being easy to locate and approach (Le Port et al., 2012) and can therefore overlook timid-
natured species.

Survey limitations are further exacerbated by inherent challenges associated with
monitoring temperate elasmobranchs. Firstly, in-situ observation of elasmobranchs is
difficult since many species are highly mobile and often patchily distributed (Letessier et al.,
2017; Pikitch et al., 2018). Apex predators in any ecosystem are naturally found in low
densities (Abel & Grubbs, 2020) and overexploitation has confounded this problem by
further depleting populations (Dulvy et al., 2014; Dulvy et al., 2021). Therefore, obtaining
appropriate sample sizes to accurately infer population trends is extremely challenging and
statistical assessment of MPA effects is often impossible without significant replication
(Blampied et al., 2022). These challenges are further exaggerated in temperate waters
where adverse weather conditions and reduced water visibility can make visual strategies
less effective (Port et al., 2016; Tang et al., 2019). Meanwhile, the monitoring of pelagic
species introduces a unique set of difficulties related to expansive home ranges, migratory
behaviours, and the relative inaccessibility of oceanic ecosystems compared to coastal and
benthic habitats.

Finally, the robust interpretation of MPA effects on elasmobranchs is often limited by
inadequate experimental design of monitoring schemes (Leverington et al., 2010; Ahmadia
et al., 2015) which are frequently restricted to spatial comparisons at discrete timepoints,
sometimes several years after initiation (Link et al., 2005; Albano et al., 2021). Although
these experiments are valuable descriptors of relative habitat importance, a higher
abundance (or other indicator outlined in Table 1.2.) of elasmobranchs inside the MPA
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compared to control sites cannot be interpreted as a direct result of MPA designation,
without the inclusion of baseline data and temporal analyses (Link et al., 2005; Bond et al.,
2012). Inferring MPA benefits from spatial comparisons alone disregards the possibility of
pre-existing natural differences (Lester et al., 2009), which are often introduced by strategic
placement of MPAs in particularly diverse locations. Furthermore, spatial comparisons may
even mask negative population trends that can only be detected by surveying populations at
multiple timepoints. Baseline population data obtained either prior to or in the initial phases
of MPA establishment, complete with ecologically analogous control sites, are critical to
confidently disentangle the effects of MPA establishment from natural variation and
environmental changes (Ahmadia et al., 2015). In older MPAs where early monitoring was
not conducted, historical ecology and local ecological knowledge approaches (Moore &
Hiddink, 2022) could be employed to reconstruct baseline communities and gain a better
understanding of contemporary MPA effects. Unfortunately, monitoring at sufficient
frequency and spatial coverage requires significant and consistent economic investment,
which is often severely limited in the conservation sector (Bohorquez et al., 2019).

1.3.4. Monitoring opportunities offered by technological advancements

Due to the aforementioned challenges, current temperate monitoring efforts are generally
inadequate, allowing elasmobranch declines to frequently go unnoticed and unaddressed
(Ellis et al., 2005; Port et al., 2016). Therefore, to prevent further avoidable species declines,
current monitoring approaches require a transformation. Monitoring must move away from
overdependence on landings data and towards targeted and systematic surveillance. Recent
technological advancements present several opportunities to overcome method limitations
and potentially revolutionise elasmobranch monitoring.

Firstly, video methods are rapidly becoming an integral component of elasmobranch
monitoring. Mono and stereo-BRUVs offer cost-effective, non-extractive approaches to
measuring elasmobranch diversity and relative abundance. A major advantage of these
methods is their high repeatability which increases potential for inter-study comparisons by
standardising methodologies across a range of habitats and locations (Whitmarsh et al.,
2017). This enhances the interpretation of results and allows each study to contribute to a
broader knowledge network. Additionally, video methods have great potential for
diversification, as the individual components of the design can be adapted for specific
purposes. For instance, the addition of a clear liquid optical chamber (CLOC) to BRUV
systems has been shown to increase their efficacy in low water visibility (Jones et al., 2019)
expanding their potential application in temperate waters.

Additionally, pelagic BRUVs, consisting of a baited camera rig suspended beneath surface
buoys and anchored to the seabed, are emerging as a tool to survey discrete areas of
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oceanic habitat (Heagney et al., 2007; Letessier et al., 2013; Santana-Garcon et al., 2014a).
While these static pelagic BRUVs have proven successful for detecting spatial differences in
mid-water species assemblages (Sanatana-Garcon et al., 2014a) and offer an effective
method for populating pelagic elasmobranch evidence gaps, the emergence of drifting
pelagic BRUVs brings further advantages. Without the constraints of a mooring system,
pelagic drifting BRUVs could shed light on the oceanic elasmobranchs utilising deep-water
habitats beyond the continental shelf, including those residing in large and ‘blue water’
MPAs (Bouchet & Meeuwig, 2015; Gilman et al., 2020; Meeuwig et al., 2021). Meanwhile,
the lack of contact with the benthos make un-moored BRUVS well-suited for use above
fragile or recovering seabed habitats, such as those inside MPAs.

Video methods are also diverging in more creative ways. The advancement of animal borne
video systems (ABVSs) has displayed encouraging capacity to characterise inaccessible
marine habitats and communities (Chapple et al., 2021). For example, a camera mounted on
a white shark (Carcharodon carcharias) was able to quantify the spatial density of kelp
holdfasts in a Giant kelp forest ecosystem in Gansbaai, South Africa (Chapple et al., 2021).
Furthermore, when employed as part of a multi-sensor package and in combination with
telemetry methods, ABVSs can illustrate habitat-use and behaviour of focal species (Moll et
al., 2007) at higher spatial resolution than acoustic and satellite tags alone (Papastamatiou
et al., 2015; Nakamura et al., 2015) which are typically accurate to tens of meters maximum
(depending on tag type, e.g. SPOT vs PAT (Heithaus et al., 2001; Hammerschlag et al.,
2011)). Meanwhile their capacity to illustrate the role of prey-interactions in driving habitat-
use (Ryan et al., 2022), could be particularly valuable since prey distributions are often
missing from studies of predator spatial ecology, despite their unequivocal importance in
driving movement (Heithaus, 2001; Torres et al., 2006). Their suitability has also been
demonstrated for pelagic sharks (e.g. Oceanic whitetips (Carcharhinus longimanus))
indicating potential for this method to overcome pelagic-specific monitoring challenges
(Papastamatiou et al., 2018). Finally, both ABVSs and telemetry have exhibited potential for
observing reproductive events in situ, for instance, Basking shark (Cetorhinus maximus)
courtship behaviours (e.g close following and parallel swimming) were observed using
ABVSs in Scotland (Rudd et al., 2021), meanwhile egg-laying behaviour in small-spotted
catsharks (S. canicula) was detected with archival tagging (Wearmouth et al., 2012). Given
our understanding of the significance of habitat associations and reproductive events in
driving temperate MPA performance, ABVSs integrated with telemetry present many
opportunities to advance monitoring of elasmobranchs in MPAs.

A major bottleneck in the application of video methods to elasmobranch monitoring is the
time-consuming and costly nature of manual video analysis. Advancements in artificial
intelligence (Al), however, may overcome some of these barriers (Goodwin et al., 2022). The
application of Al to underwater video analysis is rapidly expanding, offering potential to
automate: species identification, species quantification, individual identification and
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behaviour classification (Brewster et al., 2018; Schneider et al., 2019; Jenrette et al., 2022).
Deep learning (DL), as a subdivision of both Al and machine learning, facilitates the
automation of human-performed tasks using complex machine learning algorithms called
‘neural networks’. The early integration of DL with BRUV research has already resulted in 7.1
% more accurate fish abundance estimates than manual video analysis by experts (Ditria et
al., 2020) and the process was more cost-effective and quicker. Furthermore, machine
learning is likely to be disproportionately valuable to the study of rare and highly mobile
species, such as elasmobranchs, since such vast quantities of footage are required to gain
sufficient species observations for statistical analyses (Blampied et al., 2022).

Aerial surveillance of elasmobranchs represents a monitoring opportunity for species
residing in surface waters. Historically conducted with a manned aircraft (Squire, 1990) the
improvement of batteries and wireless communication in advancing unoccupied aerial
vehicles (UAVs) has made aerial surveillance an increasingly feasible elasmobranch research
method (Butcher et al., 2021). UAVs have elucidated habitat-use patterns of a range of
tropical sharks in MPAs (Ayres et al., 2021) but have not yet been applied to elasmobranchs
in temperate MPAs. However, UAVs have revealed insights into the behaviour of various
temperate shark species, including the significance of “torus” or circling behaviour in aiding
basking shark (C. maximus) courtship which facilitate multiple intra-specific interactions
over a short period (Sims et al., 2022). This ability to characterise behaviour and movements
of surface-swimming temperate species exemplifies the suitability of UAVs for surveying
temperate MPAs.

Novel molecular tools are also emerging with potential to advance the study of
elasmobranchs in temperate MPAs. One such tool may offer a particularly revolutionary
approach (Poulakis & Grubbs, 2019) by detecting species through discarded genetic material
(e.g. waste products) in the water column known as environmental DNA (eDNA). eDNA is
typically applied to elasmobranch research through two main avenues. The first: eDNA
barcoding, identifies the presence of a target species using a species-specific primer and has
been principally used to study rare and threatened species (Simpfendorfer et al., 2016;
Weltz et al., 2017). The second method: eDNA metabarcoding, facilitates community-level
exploration by simultaneously identifying multiple species from a single water sample using
a primer-set (Boussarie et al., 2018; Lui et al., 2022).

Studies comparing eDNA with traditional elasmobranch monitoring methods (Table 1.3)
have identified several key strengths. Firstly, eDNA requires substantially less survey effort
and time to achieve similar results to other methods (Table 1.3.). Boussarie et al. (2018)
found that the collection of 22 eDNA samples detected more shark species than 2,758
underwater visual census (UVC) surveys (over 20+ years) and 385 baited remote underwater
video (BRUV) deployments (over three years). Secondly, eDNA requires no observation or
capture of elasmobranchs, making it particularly suited to the study of MPAs, threatened
species and turbid waters. Importantly, studies concurrently implementing extractive and
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eDNA methods have revealed eDNA to be of equal or greater efficacy (Thomsen et al.,
2016). Furthermore, eDNA may exceed the ability of bottom trawls to detect large mobile
species (such as the Greenland shark, Somniosus microcephalus) which are able to evade
the net (Thomsen et al., 2016). Since eDNA does not rely on visual cues, it yields greater
species detection in low visibility environments (e.g. temperate waters) and more readily
detects visually inconspicuous or cryptic species (Port et al., 2016; Tang et al., 2019).
Meanwhile, it is extremely sensitive and is therefore particularly suited to the study of
threatened species (Simpfendorfer et al., 2016; Weltz et al., 2017). Finally, whilst waste
genetic material can be transported over large distances by ocean currents, eDNA
metabarcoding is able to identify distinct assemblages over small spatial scales (Port et al.,
2016; Stoeckle et al., 2017; Yamamoto et al., 2017) possibly resultant of the rapid
degradation of eDNA (0 — 6 days) in seawater (Dell’Anno and Corinaldesi, 2004; Thomsen et
al., 2012).
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Table 1.3. A summary of studies comparing the ability, in terms of survey effort and detection

efficiency, of eDNA and traditional survey methods to monitor elasmobranchs.

Study eDNA Comparative Method
Method Survey Species Method  Survey Effort Species
Effort Detections Detections
Boussarie et 385 BRUV surveys
al., 2018 Metabarcoding 22 samples | 13 shark species BRUV & 3 years 9 shark
uvc 2758 UVC surveys | species each
28 years
Gargan et al., Devil rays Devil rays
2017 Barcoding 31 samples detected at 5 Visual 31 visual surveys detected at
sites Surveys 5 sites
Port et al., Metabarcoding 12 samples 29 taxa uvc 12 surveys 12 taxa
2016 (10 minutes)
Stat et al., Metabarcoding | 41 samples 55 taxa BRUVs 41 BRUV surveys 73 taxa
2019 (1 hour each)
9 different Average of
Thomsen et Metabarcoding 3 samples 15 fish species methods Several different 4.3-14.7
| 2012 1-day (extractive surveys species per
al., collection and non- 3 years survey event
extractive)
Thomsen et Bottom 21 trawls
al., 2016 Metabarcoding 21 samples 29 fish families Trawl (~30 minutes tow 28 fish
time) families
Yamamoto 282 samples | 112 fish species 140 surveys
etal., 2017 Metabarcoding 6 hr- uvc 14 years 80 fish
collection species

However, because eDNA methods are still in their infancy, several method limitations must

be addressed to facilitate their adoption as a core research tool for elasmobranchs in MPAs.

Firstly, without adequate sample replication it is possible for the presence of a species to go
undetected (false negative) (Kelly et al., 2014a; Gargan et al., 2017). This is because eDNA is
rapidly dispersed in the ocean, resulting in dilution and a heterogenous distribution

(Takahara et al., 2012). False negatives may also be attributed to primer design (Kelly et al.,

2017) whereby primers may possess a greater affinity to target DNA of certain taxa, leading

to preferential amplification and representation of these taxa in the dataset. For example, a

vertebrate-specific primer set used in the Monterey Bay aquarium was biased towards
teleost fish DNA and unable to detect cartilaginous fish (Kelly et al., 2014b). eDNA may also

detect a species without it actually being present (false positive). This can occur at

assignment stage, if a sequence is misidentified when compared to the species database
(Andruszkiewicz et al., 2017). Alternatively, due to the sensitivity of eDNA there is a
significant risk of contamination (Goldberg et al., 2016). Allochthonous DNA may enter
samples from positive controls, via cross-contamination between samples or eDNA may be
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transported in currents from non-local areas (Poulakis & Grubbs, 2019). Due to these
limitations, it is generally agreed that eDNA should be considered a supplementary rather
than stand-alone survey tool. Equally, each monitoring method considered prior exhibits
unique advantages and limitations, therefore, a multimethod-monitoring approach is
recommended to achieve a holistic and robust understanding of temperate MPA
performance.

1.4. Temperate Elasmobranch MPA Guardrails

The findings of this review demonstrate that temperate elasmobranch MPAs are only
successful under specific biophysical and social conditions, and when employed in tandem
with effective monitoring. Whilst MPA establishment in reality, is constrained by resources
and complicated by stakeholder objective trade-offs, the following section synthesises the
findings of this study into a series of practical guardrails, representing the ideal temperate
elasmobranch MPA, intended to serve as a guide for the optimal implementation of
temperate elasmobranch MPAs. lllustrated in Figure 1.1., the guardrails fall into four main
categories: 1) building a detailed prior knowledge base 2) integrating social and ecological

goals 3) striving for legitimate governance and 4) implementing effective monitoring.

2. Integration of Social
& Ecological Goals

1. Detailed Prior
Knowledge Base

3. Legitimate
Governance

4. Effective
Monitoring

Location-specific Species
Movement Patterns

Underpinning Political
Framework

Incentivise Compliance Multi-method Approach

Social & Ecological
Considerations
in MPA Design

Fishing Limits &
Displacement
Management

Identification of Critical
Developmental Habitats

Utilise Technological
Advancements

Monitoring of
Social & Ecological
Qutcomes

Human-Elasmobranch
Interactions

Industry-Science
Partnerships

Enforcement

Part of a Larger
Conservation Strategy
Network

Partnership
Opportunities

Robust Experimental

Tap Into Local Knowledge
P © wieds Design

Figure 1.1. A summary of the guardrails identified to guide the ideal use of temperate MPAs for
elasmobranch conservation.

29



The aim of guardrail 1, obtaining Detailed Prior Knowledge Base, is to develop a context
specific understanding of the target elasmobranch species in the target location to
determine whether an MPA would be an effective use of conservation resources and inform
effective MPA design. This is crucial considering the extensive potential for variation in
movement behaviours between and within populations. This stage should focus not only on
gaining a comprehensive ecological evidence base but developing an in-depth
understanding of the local socio-economic context. Particular attention should be given to
the identification of critical habitats, determining the ontogenetic stages contributing most
to population growth and identifying opportunities for industry-science collaboration.

Guardrail 2, Integration of Social and Ecological Goals, aims to raise the profile of social
outcomes throughout the entire process of: MPA design, implementation, and
management. Fishing industry-science partnerships will be crucial for building relationships
to ultimately enhance support, buy-in and compliance. Meanwhile, these partnerships will
feed into the growing knowledge base, by acknowledging and tapping into the body of
information held in local communities.

Guardrail 3 strives for Legitimate Governance, which addresses the lack of ecologically
meaningful protective measures in most established MPAs. For elasmobranch MPAs to be
successful, damaging fishing activities must be limited if not entirely prohibited, since fishing
is unequivocally implicated in elasmobranch declines (Dulvy et al., 2021). For fishing limits to
be legally enforceable, a legitimate political framework is necessary, preferably complete
with an objective external watchdog to uphold consequences. However, due to the nuanced
nature of MPA success, MPAs should be incorporated as part of a larger elasmobranch
conservation network including both limit-based and target-based strategies.

Finally, guardrail 4 recognises the importance of Effective Monitoring, in the success of
temperate MPAs and their adaptive management. It encourages the integrated use of a
combination of monitoring tools, including novel technologies, to overcome individual
method limitations and develop a comprehensive understanding of MPA performance.
Robust experimental design should underpin monitoring regimes to allow confident
attribution of population responses to MPA effects. Early monitoring should be included
where possible and when missing, reconstruction of past communities should be pursued
with historical ecology and local ecological knowledge approaches. Finally, social outcomes
(such as fishery displacement and stakeholder support) should be frequently assessed and
managed, as essential components of success.

1.5. Conclusions
Several factors influence the efficacy of MPAs for conserving temperate elasmobranchs,
these include biophysical drivers (e.g. species mobility and habitat association) and social

drivers (e.g. fishing displacement and compliance). Factors can interact uniquely in each
location and the importance of factors can change (even for the same species) depending
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on the specific context of the MPA and focal population. Therefore, research into the
specific target population in terms of life-history strategies, habitat-use and mobility would
greatly enhance the value of MPAs and advance our understanding the species that may
benefit from MPA establishment.

Biophysical factors limit the theoretical efficacy of an optimum MPA with unlimited research
and management resources. However, in reality, MPAs involve a wide range of stakeholders
with diverging needs and ideas of success. Resultantly, overall MPA success is typically
determined by a trade-off between ecological and social goals. Therefore, striving to adopt a
‘middle-ground’ approach is perhaps more achievable. Nevertheless, a greater
understanding of displaced fishing effort, additional local elasmobranch threats,
enforcement and compliance levels will help guide management (e.g. increased stakeholder
engagement) or MPA design modifications (e.g. MPA expansion or inclusion of buffer zones)
to optimise existing opportunities.

Since MPAs are only effective under specific conditions, it is alarming that very few are
established with sufficient monitoring schemes to evaluate performance and detect changes
in target species. For temperate MPAs to be effective for elasmobranchs, not only must
systematic long-term monitoring be established with ecologically analogous control sites,
but challenges associated with studying highly mobile, endangered species in low visibility
and adverse weather conditions must be overcome. Exploration of novel survey techniques
such as eDNA and ABVSs may address some of these limitations, and automation of video
analysis through Al, has potential to greatly advance video monitoring efficiency. However,
a transformation of current elasmobranch monitoring will likely require the integrated
adoption of various research tools, to overcome individual limitations associated with each
method.

This review demonstrates that MPAs can be highly effective for temperate elasmobranch
protection under the correct conditions, however, they are not always appropriate, and
should therefore not be regarded a panacea. Instead, they should be considered one option
in the elasmobranch conservation arsenal and their implementation should be
complemented by a wider network of well-connected MPAs, fishing restrictions and market
regulations. MPA use should be tailored specifically to focal species in local contexts and
established in conjunction with experimentally robust monitoring schemes. It is hoped that
the guardrails outlined in section 1.4. will help guide the optimal use and modification of
MPAs to contribute to the holistic protection of elasmobranchs.
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Chapter 2: Abundance and diversity of Elasmobranchs in and around
Lyme Bay MPA

2.1. Introduction

Chondrichthyan populations are in a global state of crisis with over a third of all species
threatened with extinction according to IUCN red list criteria (Dulvy et al., 2021). Although
several management interventions exist, including both fishing restrictions (e.g. species
guotas, landing size limits) and spatial management strategies (Caddy & McGarvey 1996;
Shiffman & Hammerschlag, 2016), these have not yet been implemented sufficiently to
prevent significant overextraction and alarming biodiversity loss (Davidson et al., 2015;
Simpfendorfer & Dulvy, 2017; Dulvy et al., 2021; Juan-Jorda et al., 2022).

MPAs represent a promising strategy to combat declines, whilst providing additional
ecosystem-wide benefits through improved habitat quality (Davidson & Dulvy, 2017;
MacKeracher et al., 2019). Elasmobranch-specific MPAs (e.g. ‘Shark Sanctuaries’) have
surged in recent years (Ward-Paige, 2017), and designation of the first elasmobranch-
focussed MPA in Scotland for Flapper skate (Dipturus intermedius (The Red Rocks and
Longay Nature Conservation Marine Protected Area (No. 2) Order 2021) signifies a growing
appetite for elasmobranch-focussed spatial protection in the UK. Since MPAs are set to
further proliferate both globally, with the ‘30 by 30’ initiative, and in the UK, with the
imminent establishment of Highly Protected Marine Areas, HMPAs (Defra, 2019), timely
population of crucial evidence gaps is critical to guide the effective use of limited
conservation resources.

Optimal establishment of MPAs is currently limited by a lack of understanding around the
specific conditions under which MPAs can successfully conserve elasmobranchs. Firstly,
knowledge gaps surrounding the specific value of different types of MPAs (e.g. partially-
protected compared to no-take zones) and for various species in alternative contexts exist.
MPAs have demonstrated success in tropical regions (Speed et al., 2018; Gallagher et al.,
2021) for protecting species such as Caribbean reef sharks (Carcharhinus perezi) and Tiger
sharks (Galeocerdo cuvier), however the efficacy of temperate MPAs has received less
attention (Breen et al., 2015). Furthermore, elasmobranchs exhibit substantial interspecific
variability in life-history strategies and behaviours (Cortés, 2000), suggesting they may
receive differing degrees of protection from MPAs. However, there remains a paucity of
knowledge on this subject, particularly in temperate and UK waters.

Synthesis of existing case studies has identified various biophysical and social drivers of MPA
success (MacKeracher et al., 2019). Whilst social determinants such as stakeholder
engagement and fishing restrictions are perceived by experts as particularly important for
driving MPA success, specific ecological factors can also greatly influence MPA efficacy. In
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particular, strong habitat associations (e.g. for feeding or reproductive activity) can facilitate
MPA benefits even in highly mobile elasmobranchs, since they increase the time spent
within MPA boundaries (Gallagher et al., 2021). However, the role of these drivers has been
disproportionately overlooked in temperate and Northern hemisphere locations.

Unfortunately, few MPAs are established with adequate monitoring regimes, complete with
baseline data and analogous control sites, so opportunities to experimentally test MPA
effects are scarce (Sciberras et al., 2013) and many depend solely on spatial comparisons of
abundance or habitat-use (Link et al., 2005; Bond et al., 2012). This has potential to mask
temporal population responses and falsely conclude that an MPA is achieving positive
conservation outcomes. In contrast, Lyme Bay MPA, a partially-protected area on the
Southwest UK coast, has been the focus of extensive BRUV surveys, conducted annually
since MPA establishment in 2008 (Davies et al., 2021; Davies et al., 2022). The resultant
long-term video dataset, complete with controls, presents a unique opportunity to
experimentally test the effect of a temperate MPA on elasmobranch populations and
determine which species, if any, are afforded benefits. Meanwhile, as a partially-protected
area, Lyme Bay may shed light on the appropriateness of middle-ground approaches to
concurrently achieve elasmobranch conservation and social goals.

Lyme Bay MPA was designated to protect a nationally important and biodiverse rocky-reef
habitat (Sheehan et al., 2013) and was therefore not strategically designed for
elasmobranchs. However, its effective management, including continuous engagement with
stakeholders and a politically enforced demersal fishing ban (Singer & Jones, 2021), has
potential to provide opportunistic benefits to the local elasmobranch community. The
primary focus of this study is to assess the effect of Lyme Bay MPA on elasmobranchs,
determining: 1) the impact on the community as a whole, 2) inter-specific differences in
population responses and 3) the influence of two potential underlying drivers:
elasmobranch exploitation and habitat associations with protected rocky reef features.
However, 12 years of monitoring with BRUVs in Lyme Bay has created one of the most
comprehensive temperate BRUV datasets to date. Therefore, as a secondary goal, this study
takes this unique opportunity to create a detailed fishery-independent account of a priorly
overlooked elasmobranch community. MPA effects and their underlying drivers will be
explored with the following hypotheses:

1. The elasmobranch community inside the MPA will become increasingly different
from the elasmobranch community in control sites over time since MPA initiation.

2. Individual elasmobranch species will become more abundant inside the MPA,
compared to controls over time since MPA initiation.

3. Elasmobranch exploitation will decrease over time in Lyme Bay following MPA
initiation.

4. Elasmobranchs will be significantly associated with protected rocky reef habitats.
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2.2.  Methods

2.2.1. Study site and Background

Located on the Southwest coast of the UK, Lyme Bay MPA (Figure 2.1) encompasses
ecologically important rocky reef habitat which is protected by a combination of spatial
management strategies. A statutory instrument (SlI), established in 2008, prohibits the use
of demersal towed fishing gears from a 206km? section of seabed (Defra, 2008; Mangi et al.,
2011). The statutory instrument employs a whole-site approach whereby towed fishing
gears are banned from the entire area. An overlapping Special Area of Conservation (SAC)
and associated byelaws were later introduced in 2011, partially protecting 236 km? of reef
(Rees et al., 2016). The SAC constitutes feature-based protection and only prohibits
demersal fishing from specific rocky reef habitats. The MPA was specifically designated to
protect the biodiverse rocky reef features which are listed under Annex 1 of the EU Habitats
Directive (Council Directive 92/43/EEC) and are home to fragile habitat-forming species such
as Eunicella verrucosa (pink sea fan) and Pentapora fascialis (ross coral). Static fishing gears
(e.g. nets, pots) are still permitted throughout the reserve, classifying the MPA as partially
protected.

50.8°N -

MPA
50.75°N -

— slI
50.7°N - ---+ SAC
5065°Nd W @2/t ch Treatment

""" MPA
50.6°N A « NOC
FOC
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Figure 2.1. Map of Lyme Bay MPA, including the two overlapping MPA boundaries (S| = Statutory Instrument,
SAC = Special Area of Conservation). Points represent BRUV deployment sites (MPA = Marine Protected Area,
NOC = Near Open Control, FOC = Far Open Control).
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2.2.2. Study design

To determine the effect of Lyme Bay MPA on the elasmobranch community, this study
analysed footage from a 12-year BRUV survey, conducted in the summer months of 2009 —
2020. Survey sites were selected to include protected sites (MPA treatment) and
ecologically analogous control sites (Near & Far Open Controls; Figure 2.1). Site selection
was based on habitat data (Stevens et al., 2014) to encompass a variety of rocky reef
habitats (including cobbles, boulders and bedrock), but also included adjacent patches of
mobile substrates (e.g. sand and gravel). The survey was not initially designed to document
the recovery of highly mobile species, therefore most control sites selected were in close
proximity to the MPA boundary (herein named Near Open Controls: NOCs) to reduce the
impact of confounding environmental variation. However, the highly mobile nature of
elasmobranchs, means changes in community are more likely to be detected over broader
spatial scales. Therefore, additional control sites (Far Open Controls: FOCs) were added from
2010 onwards to expand the spatial coverage of the study and reduce the influence of
elasmobranch movement between treatments. FOCs therefore represent control sites >
3.5km from the Sl boundary meanwhile, control sites < 3.5km from the boundary represent
NOCs. This study only analysed MPA sites situated within the statutory instrument
(excluding those only encompassed by the SAC) as it offers the highest level of protection
(following a whole-site approach) whereas the feature-based protection within the SAC was
not expected to have a detectable effect on highly mobile elasmobranchs and inclusion of
these sites was expected to reduce the strength of perceivable effects. Furthermore, the
establishment of the SAC engulfed many of the NOC sites and these were resultantly
excluded from analysis beyond 2011.

2.2.3. BRUV system and Deployment

BRUV rigs (as described in Bicknell et al., 2019) consisted of a single horizontally orientated
camera (Panasonic HDC- SD60 and HDC- SD80) and an LED light, mounted upon a metal
frame with lead weights (approximately 30kg). Bait boxes filled with 100g of Atlantic
mackerel (Scomber scombrus), were suspended 1m in front of the camera on a bait arm and
were restocked before each new deployment. For each site, three BRUV replicates of 45
minutes were deployed and distributed at least 100m apart to minimise duplicate
detections of the same individual within simultaneous deployments.

2.2.4. Video Analysis

Videos underwent quality assurance checks (outlined in Davies et al., 2021) to ensure that
replicates were only analysed when footage was clear, unobstructed, correctly oriented and
these conditions were sustained for at least 30 minutes. For analysis, videos were played at
normal speed and after a settling period of 5 minutes (to allow water visibility to return),
the presence of any elasmobranchs was recorded alongside the time of occurrence over a
30-minute period. Elasmobranchs were identified to highest possible taxonomic resolution
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and MaxN was obtained as a conservative estimate of relative abundance, whereby the
maximum number of individuals of a species within a single frame was recorded for each
replicate.

2.2.5. Potential Drivers of MPA effects

2.2.5.1. Fishery Landings Data

To explore elasmobranch exploitation in Lyme Bay, publicly available landings data were
obtained from the Marine Management Organisation (MMO) website
(https://www.gov.uk/government/organisations/marine-management-organisation,
accessed: 15/02/2022). Data were available at relatively low spatial resolution, provided as
landings per ICES rectangle. Therefore, landings could not be directly apportioned to either
inside or outside the MPA, but rather represent an overview of the wider Lyme Bay area.
Lyme Bay MPA spans the boundaries of two ICES rectangles: 30E6 and 30E7, so data from
both these rectangles were downloaded and combined. No measure of catch effort was
available for landings; therefore, they cannot be interpreted as a measure of population
change. Furthermore, it is possible that landings reporting was inconsistent throughout, and
therefore, it cannot be inferred that changes in reported landings represent an actual
changes elasmobranch exploitation. Instead, these data should be interpreted as a proxy for
fishing effort in Lyme Bay across the study period.

2.2.5.2. Relationship between habitat and elasmobranch abundance

To elucidate the influence of habitat type on elasmobranch abundance inside the MPA, the
substrate type at each site was classified for a subsample of videos. The year 2016 was
selected as a subsample for analysis due to the enhanced water visibility, and habitats were
only classified inside the MPA. Substrate type was broadly categorised into Mobile or Reef
substrate. Whilst Mobile substrates included: sand, gravel, mud, loose rocks or any
combination of these, Reef substrate comprised any habitat where cobbles, boulders or
bedrock were present, or clearly dominated by biogenic reef species. Since the same sites
were sampled each year, it was assumed that the substrate type remained constant over
time. Therefore, substrate data were extrapolated across the full survey to enhance the
power of statistical analysis. Since three replicate BRUVs were deployed at each site, the
most common substrate type from the 3 replicates was applied to all other years. If there
was no agreement between replicates, an additional year was analysed, and the most
common substrate was recorded. An additional measure of habitat (Biogenic Reef Species %
Cover) and its relationship with elasmobranch abundance is presented in the appendices
(Appendix 1).
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2.2.6. Data analysis

2.2.6.1. Elasmobranch abundance

To explore taxon-specific patterns in relative abundance (MaxN) over time (2009 — 2020)
and among experimental treatments (MPA, NOC and FOC), mean relative abundance was
visualised (using the package “ggplot2” in R (Wickham, 2016)) for less common
elasmobranch taxa across the survey period, to allow descriptive interpretation of species
trends. With the exception of highly abundant S. canicula, the effects of Year and MPA
treatment could not be statistically analysed for each elasmobranch species in isolation, due
to low abundances. Instead, the relative abundances for all shark species (excluding S.
canicula) and all skate species respectively were aggregated and analysed together.
Scyliorhinus canicula was abundant enough to be statistically evaluated separately. Prior to
statistical analysis, all data were explored following the protocol from Smith et al. (2020)
based on Zuur et al. (2010), to investigate: presence of outliers, distribution of response
variables, multicollinearity between covariates and independence of response variables.
Survey effort was imbalanced over time, with the first two years of the survey (2009 and
2010) exhibiting significantly lower sampling effort (and lacking the FOC treatment),
therefore, these two years were not included in statistical analyses.

Generalised linear mixed models (GLMMs) were used to test statistical relationships
between variables due to the non-independence of response variables introduced by
repeated sampling of specific sites over time (characteristic of ‘repeated measures design’).
GLMMs included the random effect of Site and the fixed effects of and interaction between
MPA treatment and Year. Their effects on the relative abundance of Skates, Sharks
(excluding S. canicula) and S. canicula were individually assessed. Since the response
variables comprised abundance data, GLMMs were fitted with a poisson distribution and log
link function (using the “Ime4” package in R (Bates et al., 2015)), due to the non-normality
of count data. Poisson GLMMs assume that the mean and variance of the response variable
increase at the same rate. To check this assumption, residual deviance of fitted models was
compared with the residual degrees of freedom. When this assumption was violated and
overdispersion was detected, GLMMs were fitted with a negative binomial distribution and
log link function (using the “MASS” package in R (Venables & Ripley, 2002)). Final models
were chosen using stepwise selection during which both Maximum Likelihood tests and
Akaike’s Information Criterion (AIC) were used to compare model performance and guide
the deletion of non-significant terms. Model misfit was assessed by plotting pearson
residuals vs fitted values for each covariate. Pairwise post hoc comparisons were conducted
with estimated marginal means (using the package “emmeans” version 1.5.1. (Lenth, 2020))
when a significant effect of MPA treatment or interaction was identified, to determine
which treatments were significantly distinct.
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2.2.6.2. Elasmobranch diversity

Changes in univariate elasmobranch diversity over time since MPA establishment were
investigated by assessing the random effect of Site and fixed effects of Year, MPA Treatment
and their interaction on elasmobranch taxon richness. This was conducted following the
same data exploration and GLMM model selection approach outlined prior for
elasmobranch abundance assessments. Taxon richness exhibited a right-skewed distribution
and was therefore fitted with poisson GLMM and log link function.

Changes in multivariate diversity in response to MPA establishment were also assessed
whereby species assemblages were visualised across years and MPA treatments with a non-
metric Multidimentional Scaling (nMDS) plot. To assess the effect of MPA establishment on
elasmobranch assemblage composition, PERMANOVA was used to statistically analyse
differences in multivariate diversity over time and across the experimental treatments.
Since PERMANOVA is robust to unbalanced survey designs, all years (2009 — 2020) were
included in the analysis. Prior to analysis, a bray-curtis transformation was applied to
relative abundance data.

2.2.6.3. Elasmobranch exploitation

To explore changes in elasmobranch exploitation over time since MPA initiation, public
landings data were aggregated for all sharks and all skate species and visualised as total
landings per year per species groups. Landings were categorised into mobile (exclusively
used outside the MPA) and static gears to allow some interpretation of the location of
landings.

2.2.6.4. Habitat Associations

Habitat associations were investigated by statistically assessing the relationship between
substrate type and elasmobranch abundance. Habitat data could not be included as a factor
in the larger GLMM analysis outlined prior, because data were only obtained for sites in the
MPA treatment. Instead, separate GLMM analyses were conducted to explore the effect of
substrate type on the abundance of the main elasmobranch groups (skates, sharks
(excluding S. canicula) and S. canicula). Model selection was not warranted due to the
presence of only a single fixed factor (substrate type). Assumptions and model misfit were
tested following the same approach outlined above. All statistical analyses were conducted
using the statistical programme R (R Core Team, 2021).

2.3.  Results

A total of 827 BRUV deployment videos were analysed, conducted over the summers of
2009 — 2020 resulting in 413.5 hours of footage, with 1355 shark observations (of which S.
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canicula represented 1307 occurrences) and 45 skate observations (Table 2.1). From these,
three shark and four skate taxa were identified to species level from the families
Scyliorhinidae, Triakidae and Rajidae. A further shark taxon was identified to genus level
(Mustelus sp.) with the possibility of being two closely-related Smoothound species:
Mustelus mustelus and Mustelus asterias (difficult to visually distinguish).

Figure 2.2. Some of the elasmobranch species detected in BRUV surveys and around Lyme Bay MPA (2009 —
2020). A) Raja undulata, B) Raja clavata, C) Scyliorhinus canicula and D) Raja montagui.
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Table 2.1. All species observed from BRUV deployments (2009 — 2020) in and around Lyme Bay MPA, their IUCN red list statuses and total MaxN values.

Species Group Family Species Name Common ICUN Red ICUN Red >MaxN >MaxN Overall Proportion of
Name List Status List Status MPA Controls YMaxN  Overall
(Europe) (Global) Observations
SHARKS Scyliorhinidae  Scyliorhinus canicula Small-Spotted  Least Concern  Least Concern 653 654 1307 93.4%
Catshark/
Lesser dogfish
Scyliorhinidae  Scyliorhinus stellaris Bull Huss/ Near Vulnerable 30 3 33 2.4%
Nursehound Threatened
Triakidae Triakidae sp. Houndsharks - - 5 3 8 0.6%
Triakidae Galeus galeorhinus Tope Vulnerable Critically 4 0 4 0.3%
Endangered
Triakidae Mustelus sp. Smoothounds  Vulnerable Endangered 2 1 3 0.2%
Total Sharks 3 Species 694 661 1355 96.8%
SKATES Rajidae Rajidae sp. Skates - - 8 4 12 0.9%
Rajidae Raja clavata Thornback Near Near 27 1 28 2%
Ray Threatened Threatened
Rajidae Raja undulata Undulate Ray  Near Endangered 0 1 1 0.1%
Threatened
Rajidae Raja microocellata Small-eyed Near Near 2 0 2 0.1%
Ray Threatened Threatened
Rajidae Raja montagui Spotted Ray Least Concern  Least Concern 2 0 2 0.1%
Total Skates 4 Species 39 6 45 3.2%
Total 7 Species 1400

Elasmobranchs

40



2.3.1. Species-specific Elasmobranch abundance

2.3.1.1. Species-specific Skate Abundance Trends

Skate species were not observed frequently enough to allow statistical assessment of
individual abundance trends in response to MPA establishment. However, presenting
species-specific relative abundance (MaxN) data (Figure 2.3) allowed low-level, descriptive
interpretation of species differences. Raja clavata (thornback ray) was the most abundant
skate species in Lyme Bay, with a total of 28 observations over the entire survey. R. clavata
relative abundance exhibited a general increase over time (excluding the years 2014 and
2018) in the MPA, with the greatest abundance (0.25 skates per deployment) observed in
the MPA treatment in 2020 (Figure 2.3a). R. clavata were only present in the NOC in 2012,
and in the FOC in 2016 with respective relative abundances of 0.083 and 0.027 skates per
deployment. Only two Raja microocellata (small-eyed ray) individuals were observed in this
study, and they were only found inside the MPA treatment towards the end of the survey.
This resulted in two relative abundance peaks of 0.027 skates per deployment in 2018 and
2020 (Figure 2.3b). Raja undulata (undulate ray) was observed only once in the survey in the
FOC treatment. This resulted in a single relative abundance peak of 0.027 in 2016 (Figure
2.3c). Raja montagui (spotted ray) was documented twice in 2016 inside the MPA (with a
relative abundance of 0.058 per deployment) but was not identified in either of the control
treatments (Figure 2.3d). Meanwhile, a total of 12 Rajidae skates (MPA = 8; FOC =2; NOC =
2) could not be identified to species level due to low visibility and remaining at distance from
the camera. Most of these observations took place in the second half of the survey, from
2014 onwards (Figure 2.3e). The highest relative abundance of Rajidae spp. (0.083) skates
per deployment) was observed in the NOC treatment in 2016 and in the MPA treatment in
2018.
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Figure 2.3. Mean relative abundance (MaxN (+/- SE)) of Rajidae skate species detected in BRUV surveys in Lyme
Bay across different experimental treatments (MPA = Marine Protected Area (2009 — 2020), NOC = Near Open
Control (2009 — 2020), FOC = Far Open Control (2011 —2020)). Points represent mean relative abundance per

treatment year. Note the differing scales on the Y axes.!

1 Spatiotemporal differences were not statistically analysed and therefore represent descriptive trends only.
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2.3.1.2. Species-specific Shark Abundance Trends

Most shark species were also observed too infrequently to enable statistical assessment of
abundance trends following MPA initiation. Therefore, interpretation of species-specific
relative abundance (MaxN) data was once again restricted to descriptive trends (Figure 2.4).
Scyliorhinus stellaris was the second most abundant shark species (following S. canicula),
representing 33 of the shark observations over the survey period (Figure 2.4a). Sightings
were higher inside the MPA than in controls and abundance fluctuated greatly across the
survey period. Observations peaked inside the MPA in 2012 at 0.25 sharks per deployment.
Two lower peaks were observed later in 2016 and 2020, but abundance generally declined
over the survey period in the MPA. No S. stellaris individuals were observed in the FOC
treatment, and they were only observed in the NOC treatment in 2012, with a relative
abundance of 0.17 sharks per deployment. Four sightings of Galeorhinus galeus (tope) were
observed during the study and they were exclusively found in the MPA treatment and only in
the second half of the survey period from 2015 onwards (Figure 2.4b). Peak relative
abundance was detected in 2015 at 0.06 sharks per deployment. Of similar abundance were
Mustelus sp. (smoothounds) which were detected on three occasions, two of which were
observed inside the MPA in 2016 and 2020 (Figure 2.4c). The final Mustelus sp. shark was
present in the FOC treatment in 2016. Eight Triakidae sharks were not identified to species-
level and these were spread across all treatments (Figure 2.4d). Unidentified Triakidae
sharks were only documented in 2011 and 2013, with the highest relative abundance (0.17
sharks per deployment) detected in the NOC treatment in 2011.
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Figure 2.4. Mean relative abundance (MaxN (+/- SE)) of uncommon shark species detected in BRUV surveys in

Lyme Bay across different experimental treatments (MPA = Marine Protected Area (2009 — 2020), NOC = Near

Open Control (2009 — 2020), FOC = Far Open Control (2011 — 2020)). Points represent mean relative abundance
per year. Note the differing scales on the Y axes.?

Scyliorhinus canicula (small-spotted Catshark) was the most abundant elasmobranch in the
survey and was considerably more prevalent than any other species, with a total of 1307
observations, accounting for 93.4% of all elasmobranch encounters. As a result, abundance
was sufficient to analyse statistically (Table 2.2, Figure 2.5). S. canicula relative abundance
declined in all treatments over time since early MPA establishment (2011). However, GLMM
model selection found that the interaction between Year and MPA treatment was significant
(Table 2.2, p < 0.01), confirming that the scale of declines differed significantly across
treatments. Post-hoc tests identified the significant difference between MPA:Year and
FOC:Year (p < 0.01, Table 2.3), confirming that declines were significantly greater in the FOC
sites than in the MPA treatment (Figure 2.5). Meanwhile the difference between MPA:Year
and NOC:Year (p = 0.07, Table 2.3) was almost significant. A particular drop in mean relative

2 Spatiotemporal differences were not statistically analysed and therefore represent descriptive trends only.
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abundance was evident across all treatments from 2016 — 2018, with the greatest reduction
was displayed in the FOC treatment (Figure 2.5).
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Figure 2.5. Scyliorhinus canicula relative abundance and over time (2011 — 2020) in and around Lyme Bay MPA

across the treatments (MPA = Marine Protected Area, NOC = Near Open Control, FOC = Far Open Control).

Points represent mean relative abundance (MaxN) per year, whilst the solid line represents modelled trends
(Binomial GLMM) and 95% confidence intervals are represented by the shaded area.

Table 2.2. Generalised linear model analysis of variance among MPA treatments (M) and years (Y) (with Site

and Year|Site as random effects) in the abundance of elasmobranchs in Lyme Bay (UK).

Species Response Final Model Full model Dropped AlC AAIC  p-value
variable Type Term
Sharks Total Relative Poisson GLMM A=M +Y + MY + (1]|Site) + (Year|Site) (Year|Site) 310 0 0.12
(excluding S.  Abundance (A) A=M+Y +MY + (1]|Site) (1]Site) 311 1 0.055
canicula) A=M+Y + MY + (1]|Site) MY 310 2 0.031
Skates Total Relative Poisson GLMM A=M+Y + MY + (1]|Site) + (Year|Site) (Year|Site) 304 -6 1
Abundance (A) A=M+Y +MY +(1]|Site) (1]Site) 298 5 0.010
A=M +Y +MY + (1]Site) MY 298 -1 0.22
A=M +Y + (1]Site) Y 297 14 0.000077
A=M +Y + (1|Site) M 250 11 0.00055
All Taxon Richness  Poisson GLM A=M+Y + MY + (1]|Site) + (Year|Site) (Year|Site) 1543 -6 1
A=M +Y+ MY + (1|Site) (1]Site) 1537 -2 1
A=M+Y+MY MY 1535 1 0.064
A=M+Y Y 1536 0 0.22
A=M+Y M 1536 13 0.00022
Scyliorhinus ~ Relative Negative Binomial A =M +Y + MY + (1]|Site) + (Year|Site) (Year|Site) 2480 -4 0.61
canicula Abundance (A) GLMM A=M+Y +MY +(1]|Site) (1]Site) 2476 11 0.00034
A=M+Y +MY +(1]|Site) "\ 2476 8 0.0023
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Table 2.3. Generalised Linear Mixed Effects Model outputs for the final models chosen through stepwise
selection. Representing the fixed effects (only) of Year and MPA treatment and their effect on elasmobranch
relative abundance and taxon richness. All models included site as a random effect.

Response variable Final Model Terms Estimate SE P
Type
Skate Relative Poisson GLMM Intercept -4.734 0.622 <0.001
Abundance FOC — MPA -2.099 0.636 <0.01
MPA —NOC 1.83 0.856 0.083
FOC-NOC -0.269 0.987 0.96
Year 0.604 0.162 <0.001
Shark Relative Poisson Intercept -4.655 0.648 <0.001
Abundance (Excl. S. GLMM FOC:Year—MPA :Year -2.08 0.679 <0.01
canicula) MPA : Year—NOC: Year 4.29 2.528 0.2056
FOC :Year— NOC:Year 2.22 2.590 0.6684
Taxon Richness Poisson GLM Intercept -0.3453 0.0752 <0.001
FOC — MPA -0.365 0.0916 <0.001
MPA —NOC 0.274 0.1281 <0.05
FOC—-NOC -0.090 0.1162 0.76
S. canicula Relative Negative Intercept 0.5536 0.0519 <0.001
Abundance Binomial FOC: Year— MPA : Year 9.02e-15 2.68e-15 <0.01
GLMM MPA : Year—NOC: Year 7.75e-15 3.49e-15 0.068
FOC:Year— NOC:Year -1.27e-15 3.02e-15 0.91

2.3.2. Aggregated Elasmobranch Abundance

When aggregated, mean relative abundance (MaxN) of elasmobranchs (excluding S.
canicula) per BRUV deployment remained low across the entire survey period, with < 0.4
elasmobranch observations per 30-minute deployment. However, abundance exhibited
distinct relationships with MPA treatment and year for skates and sharks respectively
(Figures 2.6 & 2.7).

The interaction between Year and MPA treatment did not significantly affect aggregated
skate relative abundance (Table 2.2, p = 0.22). However, the main effects of MPA treatment
and Year and the random effect of Site all significantly influenced skate relative abundance
(p <0.05, Table 2.2). The relative abundance of skates significantly increased over time since
early MPA initiation (2011) across all treatments (Figure 2.6a). Meanwhile, post-hoc analysis
of the main effect of MPA treatment found that skates were significantly more abundant in
the MPA compared to the FOC (p < 0.01; Table 2.3) however, the abundance of skates in the
NOC treatment was not significantly different to the other treatments (Table 2.3, p > 0.05,
Figure 2.6b).

Statistical assessment of the relationships between aggregated shark (excluding S. canicula)
relative abundance, MPA treatment and year identified a significant interaction between
Year and MPA treatment (Table 2.2, p < 0.05). Post-hoc tests identified that the changes in
shark abundance over time were significantly different between the MPA and FOC
treatments (Table 2.3, p < 0.05), but no significant difference was found between NOC and
the other treatments (Table 2.3, p > 0.05).
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Figure 2.7. Shark (excluding S. canicula) relative abundance (MaxN) over time (2011 — 2020) in and around

Lyme Bay MPA across the treatments (MPA = Marine Protected Area, NOC = Near Open Control, FOC = Far

Open Control). Points represent mean relative abundance (MaxN) per year, whilst the solid line represents
modelled trends (Poisson GLMM) and 95% confidence intervals are represented by the shaded area.
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2.3.3. Elasmobranch community

2.3.3.1. Taxon Richness

Taxon richness varied from 0 — 3 elasmobranch species per 30 minute BRUV deployment.
When statistically assessed, temporal changes in taxon richness were not significantly
different between MPA treatments (p = 0.06, Table 2.2, Appendix 2). Furthermore, taxon
richness did not significantly change over time from 2011 to 2020 (p = 0.22, Table 2.2).
However, the main effect of MPA treatment was significant (p < 0.001, Figure 2.8, Table 2.2),
and post-hoc tests revealed that the MPA exhibited significantly higher taxon richness than
both the control treatments (MPA vs NOC, p < 0.05; MPA vs FOC p < 0.001, Table 2.3).

0.754

0.501

0.25

Taxon Richness per 30 Minute Deployment

0.00

MPA NOC FOC
MPA Treatment

Figure 2.8. Mean taxon richness (+/- SE) of elasmobranchs per 30 minute BRUV deployment across
experimental treatments (MPA = Marine Protected Area, NOC = Near Open Control, FOC = Far Open Control) in
and around Lyme Bay MPA.

2.3.3.2. Multivariate Assemblage Composition

The nMDS plot (Figure 2.9) had a stress value of 0.03 (< 0.2) indicating that it accurately
represented the multivariate distance among samples (Clarke & Gorley, 2006). MPA
treatment clusters exhibited substantial overlap, particularly for the NOC and FOC
treatments. However, whilst the MPA exhibited considerable similarity and overlap with the
other treatments, it displayed noticeable departure from controls in the years (2009 and
2012) and to a lesser extent in (2011, 2019 and 2020). Results of the PERMANOVA analysis
(Table 2.4) revealed a significant difference between MPA treatments (p < 0.05) but no
significant effect of Year (p = 0.085) nor a significant interaction between MPA treatment
and Year (p = 0.075) though these were not far from the significance threshold.
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Figure 2.9. Multivariate diversity representing the elasmobranch community across different experimental
treatments (Marine Protected Area (MPA), Near Open Control (NOC) and Far Open Control (FOC)) and over
time (MPA and NOC, 2009 — 2020; FOC, 2011 — 2020).

Table 2.4. Results from PERMANOVA analysis, exploring the effects of MPA treatment, Year and their
interaction on multivariate diversity of elasmobranchs in and around Lyme Bay MPA (2009 — 2020).

Terms R? F p

MPA Treatment 0.032 9.70 <0.01
Year 0.0041 2.47 0.085
MPA Treatment : Year 0.0066 2.00 0.075

2.3.4. Potential drivers of MPA effects

2.3.4.1. Elasmobranch Exploitation

Neither shark nor skate landings decreased over the survey period following MPA initiation
(Figure 2.10). Documented shark landings remained relatively low and stable for the first five
years after MPA establishment at a mean of ¥ 9 Ty 1, however, beyond 2014, shark landings
increased, reaching 118 Ty in 2016 (Figure 2.10a). Mobile gear landings, caught outside
MPA boundaries, were responsible for most of this increase in shark exploitation. Beyond
2015, overall shark landings were sustained at much higher levels than the first half of the
survey, with mobile gears responsible for a significant majority of the catch. Meanwhile,
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skate catch was higher in the first 4 years than shark catch during the same period, with an
average catch of ~ 35 Ty "} (Figure 2.10b). Skate landings also increased over time, but not to
the same extent as shark landings, reaching their highest level in 2015 at ~ 70 Ty L. Similar
to sharks, skate landings remained higher in the second half of the survey period compared
to the first.
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Figure 2.10. Publicly available landings data (https://www.gov.uk/government/organisations/marine-
management-organisation, accessed: 15/02/2022) representing a proxy for the total weight (T) of landed A)
sharks and B) skates in the wider Lyme Bay region (ICES rectangles: 30E6 & 30E7). Landings are apportioned to
those landed by mobile (prohibited inside the MPA) and static gears and represent the sum of all reported
landings per year.

2.3.4.2. Habitat Associations

There was no significant relationship between shark (excluding S. canicula) relative
abundance and substrate type (Figure 2.11a, Table 2.5, p = 0.24) or between S. canicula
relative abundance and substrate type (Figure 2.11c, Table 2.5, p = 0.84). However, a
significant relationship was identified between Rajidae skate abundance and substrate type
(Table 2.5, p < 0.05) with skates occurring predominantly in mobile sediment substrates
(Figure 2.11b).
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Figure 2.11: The relationship between substrate type and relative abundance (Mean + SE) of A) sharks
(excluding S. canicula), B) Rajidae skates and C) S. canicular sharks inside Lyme Bay MPA.

Table 2.5. Generalised Linear Mixed Effects Model outputs representing the fixed effect of substrate type and
its effect on elasmobranch relative abundance inside the MPA. All models included site as a random effect.

Response variable Model Type Terms Estimate SE p
Skate Relative Abundance Poisson GLMM Intercept -2.0896 0.3544 <0.001
Reef - Mobile 1.43 0.614 <0.05
Shark Relative Abundance Negative Binomial  Intercept -2.2125 0.3235 <0.001
(Excl. S. canicula) GLMM Reef - Mobile 0.57 0.483 0.24
S. canicula Relative Poisson Intercept 0.38074 0.14961 <0.05
Abundance GLMM Reef — Mobile 0.042 0.206 0.84
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2.4. Discussion

This study set out to determine the effect of Lyme Bay MPA on the elasmobranch
community and explore the potential role of fishing and habitat associations in driving these
trends. Overall, evidence for MPA benefits was equivocal. Elasmobranch (skates and sharks
(excluding S. canicula)) abundance tended to be higher inside the MPA compared to
controls. However, for skates, population increases could not be robustly attributed to MPA
benefits, because abundance increases were not significantly greater inside the MPA relative
to control sites. Meanwhile, for sharks (excluding S. canicula), abundance declined
significantly over time inside the MPA. Furthermore, although MPA sites harboured
significantly higher univariate and multivariate diversity than control sites, the MPA did not
become significantly more diverse over time relative to controls. The only clear MPA benefit
was demonstrated for S. canicula abundance which declined less over time inside the MPA
relative to steep declines evident in control sites.

Exploring elasmobranch landings data supported these findings, indicating that the initiation
of the MPA did not trigger a reduction in elasmobranch exploitation, and instead,
elasmobranch fishing increased in Lyme Bay over the survey period. Meanwhile, an
investigation of habitat associations demonstrated that neither sharks nor skates were
significantly associated with reef habitats, suggesting that the MPA design is not particularly
appropriate for the protection of these species. These effects are discussed in more detail in
the following sections.

Secondary to assessing MPA effects, this study aimed to take advantage of the extensive
BRUV survey to provide an in-depth, fishery-independent account of the elasmobranch
community in Lyme Bay. To achieve this, the findings of this study are discussed in the
broader context of Lyme Bay landings data and comparable BRUV surveys in other
temperate areas.

2.4.1. The effect of Lyme Bay on Elasmobranch Abundance

2.4.1.1. Skate Abundance

Firstly, aggregated skate abundance increased significantly over time in all treatments,
however, population benefits could not be convincingly attributed to MPA establishment
alone, because increases in abundance over time were not significantly greater inside the
MPA relative to controls. Two potential explanations for this exist. Firstly, the population
increase could be explained by an external factor (e.g. improved fisheries management or a
positive response to climate change) which is positively influencing the wider skate
community as a whole, including those in control sites. Notable skate management
interventions were introduced in 2009 in the Western English Channel (ICES division Vlle),
including a total allowable catch (TAC), species-specific reporting for skate and ray landings
(Ellis et al., 2010) and temporary (2009 - 2014) prohibition of R. undulata landings (Small,
2021a; ICES, 2018) meanwhile local byelaws now enforce minimum landing sizes for several
Rajidae species in the East of Lyme Bay (Small, 2021a-c). These management strategies could
be responsible for wide-scale skate population benefits, however, analysis of skate landings
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in this study indicated an increase in both mobile and static skate exploitation since 2009,
making this explanation less compelling.

Alternatively, mobility of skates between treatments may have diluted spatially distinct
population responses, meaning the bay-wide population increase could represent a large
spill-over effect from population benefits within the MPA. This could also explain the
significantly higher abundance of skates inside the MPA compared to FOC sites (but not NOC
sites), whereby the MPA could be acting as a source population for the surrounding waters.
Mark-recapture studies in the UK demonstrate that Rajidae skates are typically recaptured
around 20 - 30 km (maximum 61 — 82.6km) from release locations (Ellis et al., 2010; Simpson
et al., 2020), making movement across the 206km?2 MPA boundary highly plausible.
Meanwhile, long-term analysis of trawl data at multiple locations around Plymouth,
observed a general decline in R. clavata CPUE over the past century in response to ocean
warming and exploitation (Genner et al., 2009) suggesting that skate population increases
may be localised to Lyme Bay, and therefore, potentially caused by the MPA. Furthermore,
wider research in Lyme Bay has documented significant increases in the abundance and
diversity of both invertebrates and fish inside the MPA (Davies et al., 2020), possibly
affording skate population benefits through increased prey availability, despite no clear
reduction in exploitation.

Unfortunately, the results from this study alone cannot conclusively assign Lyme Bay MPA as
the main driver of skate population increases, but future studies employing telemetry or
mark-recapture methods could be particularly helpful for investigating potential spill-over
effects. Meanwhile comparison with temporal abundance trends across wider locations
could help determine the spatial extent of skate population increases. Interestingly, analysis
of skate habitat associations inside the MPA indicated that skates were significantly
associated with mobile substrates rather than reef habitats which may further explain the
inconclusive population benefits detected. MPA design has been identified as a key driver of
MPA efficacy (Edgar et al., 2014; MacKeracher et al., 2019), and since Lyme Bay MPA was
predominantly designed to protect rocky reef features, conservation benefits offered to
inhabitants of mobile substrates may be limited. This finding does however emphasise the
importance of the whole-site approach for delivering greater conservation benefits,
particularly beyond target species, ensuring that the entire matrix of interacting and
important habitats receive protection.

2.4.1.2. Shark Abundance

When aggregated and statistically assessed, shark abundance (excluding S. canicula)
declined over time in the MPA treatment, whilst abundance in the FOC treatment remained
stable at near zero for the entire survey. This indicates that Lyme Bay MPA is not currently
providing adequate protection for uncommon shark species. Presenting total landings across
the survey revealed a substantial increase in reported shark exploitation in Lyme Bay since
MPA initiation, particularly from 2016 onwards. Mobile fishing gears (e.g. trawls, dredges)
acting outside MPA boundaries accounted for most of this increase, perhaps resulting from
displacement into nearby waters. Displacement of demersal fishing outside Lyme Bay MPA,
has been implicated in increased Lemon Sole, Scallops and Cuttlefish landings following MPA
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establishment (Rees et al., 2021) and therefore represents a viable explanation for increased
shark landings. This is also supported by the literature which demonstrates that when
species frequently traverse MPA boundaries, MPA efficacy relies, not only on fishery
management within protected areas, but also in adjacent waters (Murawski et al., 2000;
Leurs et al., 2021). Therefore, additional fishery management within the MPA (such as shark
specific quotas and limits) and in a ‘buffer zone’ around the MPA perimeter may improve the
efficacy of Lyme Bay for sharks. Once again, elucidating species-specific movement patterns
through telemetry could help inform these management modifications.

Moreover, evidence suggests that for MPAs to successfully protect highly mobile species,
critical habitats such as feeding or nursery areas, should be encompassed (da Silva et al.,
2021; Gallagher et al., 2021). Triakidae sharks are highly mobile, exhibiting complex
migratory behaviours, such as triennial migration in the US (Nosal et al., 2021) and
movement from the UK to the Mediterranean (Thorburn et al., 2019). The lack of affinity
between sharks and protected reef habitats observed in this study, may therefore further
explain the decline in shark abundance, by reducing the time sharks spent inside the MPA
and protected from demersal fishing. This also likely signifies a mismatch between MPA
design and shark ecology, which is unsurprising considering the MPA was designed for
sessile reef species (Council Directive 92/43/EEC). Nevertheless, rare sharks were more
commonly observed in the MPA relative to control sites suggesting that Lyme Bay MPA may
represent an important shark habitat, relative to surrounding waters, providing further
incentive for increased conservation measures.

Conversely, when analysed alone, the most abundant shark species, S. canicula,
demonstrated the only convincing evidence of an MPA population benefit. Whilst S. canicula
relative abundance decreased in all treatments over time, the decline in the MPA treatment
was significantly smaller than the FOC treatment. This indicates that the MPA may have
provided sufficient benefit to S. canicula sharks to slow population declines. Whilst the
aspiration of elasmobranch MPAs is generally to provide complete protection from threats
and encourage population increases, some argue that slowing declines or stabilising
populations represents a more realistic benchmark of success considering the intrinsic slow
reproduction and growth rates of most elasmobranch species (MacKeracher et al., 2019).
However, the fast-growing nature and high reproductive output of S. canicula, facilitate
rapid recovery and therefore, population increases could realistically be achieved for this
species. The overall significant decline in this species across all treatments (potentially a
result of rising catshark landings (Appendix 3)) indicates that extraction rates have exceeded
the rate of population replenishment. This is concerning given the apparent resilience of this
species to extraction and makes declines in more sensitive shark species unsurprising. Once
again, S. canicula was not significantly associated with reef habitats. However, unlike
Triakidae sharks and Rajidae skates, S. canicula is considered a generalist scavenger (Lyle,
1983), meaning it may more opportunistically utilise the greater quality and quantity of
resources (e.g. prey and hard features for egg-laying) offered by the recovering ecosystem in
the MPA (Sheehan et al., 2013; Davies et al., 2020). Overall, the slowing of S. canicula
declines inside the MPA is evidence that partially-protected MPAs can effectively contribute
to population stability, particularly for faster growing species.
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2.4.1.3. Elasmobranch diversity

Exploring the response of univariate (taxon richness) and multivariate elasmobranch
diversity to MPA establishment revealed no significant effect of Year, nor a significant
interaction between Year and MPA treatments. Indicating that elasmobranch diversity has
not been clearly altered or improved by the establishment of the MPA and associated
management. This may once again be explained by a general lack of adequate protection
from fishing in the wider area and a lack of associations between elasmobranch species and
protected reef habitats. However, the MPA exhibited significantly greater multivariate and
univariate diversity than the far control sites providing further evidence that Lyme Bay MPA
encompasses critical elasmobranch habitat and may meet some criteria for an ‘Important
Shark and Ray Area’ (ISRA, Hyde et al., 2022). Firstly, the MPA encompasses a range of
threatened species (e.g. Mustelus sp.), with tope (G. galeus) being exclusively detected
within the MPA and not in surrounding waters (Criterion A). Secondly, significantly higher
elasmobranch diversity and abundance is supported by the MPA compared to nearby waters
(Sub-criterion D2). Further study into specific elasmobranch behaviours and habitat-use in
Lyme Bay at various ontogenetic stages could confirm whether additional criteria are met.
However, this evidence alone warrants an investigation into potential MPA modifications or
supplementary fishery restrictions to enhance the conservation outcomes of Lyme Bay MPA
for elasmobranchs.

2.4.2. Detailed, Fishery-independent Account of Lyme Bay Elasmobranch Community

Overall, this survey identified seven elasmobranch taxa to species-level from 503 hours of
BRUV deployments in Lyme Bay. Elasmobranchs spanned various morphologies, ranging
from highly mobile migratory pelagic sharks (e.g. G. galeus) to small, benthic sharks (e.g. S.
stellaris) and skates (e.g. R. clavata). To place findings in a wider context, a handful of
temperate BRUV studies were identified with comparable methodologies (< 100 — 500g of
bait, < 30 — 60 minute soak times) and full species lists. Most were conducted in temperate
Australia (Broad et al., 2010; Colton & Swearer, 2012; Hardinge et al., 2013; Wraith et al.,
2013) and the remainders were in the UK (Griffin et al., 2016; Blampied et al., 2022). In the
UK, Griffin et al. (2016) documented just two elasmobranch species around windfarms, from
40 hours of footage, whilst Blampied et al. (2022) identified six species from 67 hours of
footage in Jersey. Meanwhile, studies in Australia identified similar numbers of
elasmobranch species (n = 6 — 9) to this study (n = 7), but with markedly less survey effort
(20— 78 hours). When considering disparities in survey effort, the elasmobranch species
richness per unit effort in Lyme Bay is lower than all other studies, including those in the UK.
However, this may be partly explained by reduced species accumulation at higher sampling
efforts (likely in Lyme Bay) when communities have been adequately sampled and remaining
unsampled species are increasingly rare. Nevertheless, these comparisons are consistent
with global patterns of elasmobranch diversity which place the UK among the least diverse
temperate regions and markedly more species-poor than Australia (Tittensor et al., 2010;
Lucifora et al., 2011; Dulvy et al., 2014).

55



Low diversity in Lyme Bay and in the UK generally may be influenced by various factors.
Firstly, method inadequacies may have led to underreporting by BRUVs. This is supported by
a comparison with elasmobranch diversity observed in landings data over the same period
(Appendix 4) which indicated that BRUVs detected 35% of all species (n = 20) present in
fishery landings data in Lyme Bay over the same period. BRUV surveys frequently
underestimate elasmobranch diversity compared to fishery landings for multiple reasons
(Jabado et al., 2018). Firstly, low water visibility or individuals remaining at distance from the
camera inhibits species-level identification (Rees et al., 2015; Port et al., 2016; Tang et al.,
2019), particularly affecting the detection of cryptic species whose distinction requires
examination of fine-scale visual features (e.g. Rajidae skates) (Stobart et al., 2007; Colton &
Swearer, 2010). Similarly, BRUVS cannot distinguish closely related species groups whose
differentiation requires analysis of genetic markers (e.g. Mustelus spp., Farrell et al., 2009).
Accordingly, Mustelus spp. and Rajidae skates comprised > 65% (n > 15) of individuals not
identified to species-level in this study. BRUVs will also fail to detect species whose
ecological niches do not overlap with the spatiotemporal sampling regime of the study (De
Vos et al., 2015). This likely explains the absence of pelagic sharks (e.g. Prionace glauca (Blue
sharks), Rigby et al., 2019), and deep-water species (e.g. Centroscyllium fabricii (Black
dogfish), Ebert et al., 2013) residing beyond the shallow (~30m) coastal waters under study.

Method limitations cannot fully explain the absence of other species present in landings
data, such as Raja brachyura and Squalus acanthias, whose habitat preferences were
adequately sampled by this survey and have been successfully detected by previous BRUV
surveys (Blampied et al., 2022; Ovegard et al., 2022; Simpson et al., 2020). Instead, these
absences likely indicate low abundance, which reduces the probability of individuals
encountering bait plumes and interacting with BRUVs (Jabado et al., 2018), a barrier
overcome by landings data with vastly greater “effort” (e.g. longer soak times, high boat trip
frequency, multi-seasonal, targeting high abundance areas, Jabado et al., 2018). Recent
documented declines of > 90% in NE Atlantic S. acanthias populations (Hammond & Ellis,
2005) and marked reductions in R. brachyura relative abundance (Roger & Ellis, 2000; Ellis et
al., 2005) due to significant fishery exploitation support this theory. Similarly, population
declines likely also account for the absence of other intermediate and large-bodied skates
which were historically present (Leucoraja fullonica) or common (Dipturus batis) in inshore
habitats (Roger & Ellis, 2000; McHugh et al., 2011).

Elasmobranch abundance varied between species. Whilst overall relative abundance was
low for most species, the community was dominated by S. canicula catsharks which
constituted 93.4% of all elasmobranch observations and equated to a mean CPUE of 2.59
catsharks per hour of BRUV survey effort. This aligns with the wider literature which
highlights the ubiquity of S. canicula throughout UK inshore habitats (McHugh et al., 2011;
Griffin et al., 2016; Blampied et al., 2022). Most S. canicula subpopulations in the NE Atlantic
are stable or increasing (Ellis et al., 2009) and a clear increase has been documented
specifically in the Western English Channel (Rogers & Ellis, 2000; McHugh et a., 2011).
Increasing Scyliorhinidae populations have been attributed to several factors, including: high
discard (due to low commercial value) and survival rates (Revill et al., 2005), tolerance to
exploitation (owed to r-selected life history traits (Ellis et al., 2009)), mesopredator-release
(due to declines in higher trophic-level elasmobranchs (Fogarty & Murawski, 1998)) and a
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positive response to rising sea temperatures under climate change (Genner et al., 2004;
Genner et al., 2009; Simpson et al., 2011). These explanations therefore suggest that the S.
canicula dominance in Lyme Bay and the wider UK, rather than a natural phenomenon, may
be an artefact of an exploited and impacted system.

The remaining six elasmobranchs detected were present at considerably lower abundances,
with a mean CPUE of 0.18 individuals per hour of BRUV survey effort, aligning closer with the
relative abundance of elasmobranchs in temperate Australia (Hardinge at al., 2013). Wider
comparisons were challenging, because studies targeting elasmobranchs tend to use greater
volumes of bait (Whitmarsh et al., 2017), and reporting on elasmobranchs was limited in
non-elasmobranch specific studies (Whitmarsh et al., 2017). While some evidence suggests
that bait quantity has no significant effect on elasmobranch relative abundance (Hardinge et
al., 2013) which would justify wider study comparisons, this may vary contextually and has
not yet been tested in Lyme Bay. Nevertheless, when compared to Jabado et al. (2018)
which presented average CPUE of elasmobranchs recorded by BRUVs around the globe, the
CPUE in Lyme Bay observed in this study is markedly lower than almost all locations
excluding the UAE. This may be resultant of the long history of exploitation in UK waters, the
naturally lower abundance of species in temperate climates compared to the tropics or
could be a product of methodological differences. To disentangle these drivers, future
studies determining the effect of greater bait quantities on elasmobranch detection
specifically in the UK would enable more confident global comparisons. Meanwhile historical
ecology could help reconstruct a baseline for past elasmobranch communities to aid a
deeper understanding of natural vs unnatural abundance and diversity patterns.

2.4.3. Study Limitations

Finally, a common theme throughout this discussion was the low detection of
elasmobranchs which obstructed the statistical assessment of species-specific population
trends. This is a well-documented challenge for predatory species, naturally present in low
abundances (Hardinge et al., 2013). Studies exploring method optimisations could improve
the detection of elasmobranchs and the statistical power of resultant datasets, without
relying solely on increasing survey effort. For instance, exploring the rate of elasmobranch
detection with longer soak times and greater bait quantities, may increase the likelihood of
rarer species encountering bait plumes (Hardinge et al., 2013; Currey-Randall et al., 2020).
Alternatively, changing the time of deployment to target periods of high activity (e.g. during
crepuscular periods, or at night) could increase the effectiveness of BRUV surveys for certain
species (Kelly et al., 2020). However, to facilitate inter-study comparisons, minimum
reporting guidelines should be adhered to (Whitmarsh et al., 2017), since wider comparisons
were limited in this discussion by a general lack of reporting of full species lists. Furthermore,
species-level identification was often limited by species remaining far from the camera,
therefore, future efforts to entice elasmobranch closer to bait boxes, perhaps through use of
multiple attractants, may aid greater detection of species, particularly in temperate waters.
Finally, survey design was not tailored specifically to elasmobranchs, which motivated the
selection of control sites near MPA boundaries. Whilst the survey was expanded to include
more far controls (FOCs) in 2011, there was a lack of data in the first two years of the study
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which may have impeded the detection of interactions between Year X MPA Treatment in
some cases. This seems particularly likely for taxon richness, which was similar across
treatments in the first 3 years and departed considerably after this time (Appendix 2), and
the interaction effect was almost significant (p = 0.06).

2.5.  Conclusion

To conclude, this study found minimal evidence of robust MPA benefits for the
elasmobranch community in Lyme Bay. Whilst the diversity and abundance of skates was
higher inside the MPA compared to control sites, this could not be convincingly attributed to
MPA establishment as changes over time were not significantly different between
experimental treatments. Meanwhile, the case for sharks (excluding S. canicula)
demonstrated a clear lack of protection, with dramatic declines in both the NOC and MPA
treatments and almost no sightings in FOC sites. The lack of MPA benefits was supported by
an exploration of elasmobranch exploitation, which found increased elasmobranch fishing in
Lyme Bay following MPA establishment. Meanwhile, a lack of habitat associations between
elasmobranchs and protected reef habitats likely reduced their time spent inside the MPA,
protected from demersal fishing. The only robust evidence of an MPA benefit was identified
for S. canicula, which declined less inside the MPA relative to controls. This effect may be
explained by the generalist nature of this species, which likely allowed it to opportunistically
exploit the increased habitat quality and resources, made available through ecosystem
recovery. Overall, these results support the importance of appropriate MPA design and
limiting fishing pressure inside MPAs and in surrounding waters to ensure adequate
protection of elasmobranchs. However, since Lyme Bay MPA appears to harbour greater
elasmobranch diversity than surrounding waters, it is recommended that Lyme Bay MPA
management is adapted to improve conservation outcomes for this threatened species

group.

Furthermore, when considering the community as a whole, Lyme Bay exhibited lower
elasmobranch diversity, but equal species abundances when compared other temperate
locations (e.g. Southwest Australia). However, the abundance of S. canicula was considerably
higher than most elasmobranch species in this and other studies and may be indicative of
significant historic exploitation and changing climatic conditions in UK waters. Finally, water
turbidity represented a barrier to species-level identification, on some occasions. Finally,
since low detection of elasmobranchs significantly limited statistical assessments, method
optimisation (e.g. increased soak times) should be explored for increasing detection-rates.
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Chapter 3: Developing and testing a drifting pelagic BRUV

3.1. Introduction

Determining spatial patterns in species abundance and diversity underpins our ability to
answer a variety of ecological questions. From characterising the extent of anthropogenic
impacts on the environment, to identifying critical habitats to inform appropriate
conservation measures. However, characterising spatial variation in pelagic communities
poses significant challenges, associated with the heterogenous spatiotemporal distribution
of species and relative inaccessibility of habitats (Barnes et al., 2006; Murphy & Jenkins,
2010). This is exacerbated for apex predator populations which are present in naturally low
abundances and depleted further by overexploitation (Dulvy et al., 2008; Letessier et al.,
2017; Dulvy et al., 2021). As a result, the surveillance of pelagic populations has historically
depended on analysing fishery landings data, which exhibits severe limitations (e.g. non-
specific landings categories, targeting areas of high abundance, underreporting) that
ultimately misrepresent the true status of many populations (Stevens et al., 2000; Clarke et
al., 2008; Mucientes et al., 2022). For instance, population assessments for porbeagle sharks
(Lamna nasus) and shortfin mako sharks (Isurus oxyrinchus) in the Northeast Atlantic have
been impeded by a historic lack of species-specific population data resulting from non-
specific catch reporting under the blanket term “Sharks” (Clarke et al., 2008). This lack of
effective monitoring is particularly concerning considering the widespread declines in pelagic
fish populations (Cheung et al., 2012; Christensen et al., 2014) and oceanic predators (Dulvy
et al., 2008; Pacoureau et al., 2021; Juan-Jorda et al., 2022). Whilst technological advances
have facilitated the proliferation of telemetry research for elucidating movement patterns
(Hussey et al., 2015), and the emergence of promising new methods such as eDNA
(Bohmann et al., 2014; Boussarie et al., 2018), these remain costly, and are not yet able to
reliably quantify patterns in relative abundance. Therefore, there is an imperative to develop
novel, cost-effective and non-destructive pelagic survey methods.

Video-based survey methods offer non-invasive, cost-effective approaches to marine
ecological monitoring, which can be creatively tailored to specific research questions. These
vary from exciting frontiers in animal borne video systems (ABVSs; Chapple et al., 2021) to
more traditional application of remotely operated and autonomous video systems (ROVs
and AUVs, Sward et al., 2019; Di Ciaccio & Triosi, 2021). Baited Remote Underwater Video
(BRUV) surveys have demonstrated particular promise for quantifying patterns in benthic
marine species abundance and diversity, including elusive and highly mobile species such as
tiger sharks (Galeocerdo cuvier) and requiem (Carcharhinus spp.) sharks (Bond et al., 2012,
Espinoza et al., 2014; Goetze et al., 2018). Resultantly, BRUVs have become embedded in
benthic ecological research across the globe. The use of BRUVs in the pelagic realm remains
far less common (Whitmarsh et al., 2017). Many pelagic BRUV surveys to date have
employed static camera rigs, anchored to the seabed and suspended in the water column
beneath a surface buoy (e.g. Santana-Garcon et al., 2014a; Santana-Garcon et al., 2014b).
However, the emergence of un-moored, drifting BRUV rigs may offer multiple advantages.
The most intuitive benefit is the greater spatial coverage achieved through a mobile unit,
offering potential to remotely sample a transect of pelagic habitat rather than a single
discrete point (Bouchet & Meeuwig, 2015). Furthermore, drifting BRUVs are not constrained
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by seafloor depth facilitating their use in deep oceanic waters beyond the continental shelf.
Meanwhile, their lack of mooring systems or contact with the seabed makes them well-
placed to survey the water column above fragile benthic habitats (e.g. seagrass, maerl,
coral).

Before drifting BRUVs can be adopted as a core monitoring tool, they must first be validated
in a range of environmental contexts. To date, research employing drifting pelagic BRUVs
has been predominantly spatially restricted to tropical waters (Bouchet & Meeuwig, 2015;
Cambra et al., 2021) therefore, their performance in temperate waters is less understood.
Lyme Bay spans the Devon and Dorset coasts on the Southwest UK and is the focus of a
comprehensive, multi-method annual monitoring scheme to observe the effects of its
unique spatial management strategies (Stevens et al., 2014; Davies et al., 2021) and large-
scale, offshore mussel farm (Bridger et al., 2022). Whilst pelagic assemblages in and around
the Mussel Farm are documented annually with un-baited camera deployments, the pelagic
community encompassed by the combination of MPAs (collectively referred to as Lyme Bay
Marine Reserve for the purpose of this study) has been comparatively neglected. Of
particular interest are a range of oceanic predators known to occur in the waters around
Lyme Bay (e.g. Lamna nasus (porbeagle shark) and Alopias vulpinus (common thresher
shark)), but their presence has not yet been detected by the existing monitoring programme.

This study aimed to contribute to a greater understanding of the pelagic community in Lyme
Bay Marine Reserve as a currently overlooked aspect of the wider ecosystem, whilst
validating the use of drifting BRUVs as a survey tool in temperate waters. More specifically,
this research explores the extent to which the pelagic community in Lyme Bay varies
spatially, by investigating changes in community over the vertical (depth from sea surface)
and horizontal planes (Northing and Easting).

3.2.  Methods

3.2.1. Method Development: Pelagic BRUV design

An un-moored pelagic BRUV was designed to be deployed and drift with the prevailing
current at a constant depth (Figure 3.1). The design was inspired by and builds on moored
and un-moored designs presented in earlier studies (Heagney et al., 2007; Santana-Garcon
et al., 2014a; Bouchet & Meeuwig, 2015) and consists of an aluminium frame suspended by
a rope beneath a surface marker buoy. 0.7 m of shock cord was used to minimise vertical
movement of the rig and stabilise camera footage. The marker buoy was ballasted with lead
dive weights (3 kg) to support a 2m tall flagpole. A GPS tracker (at the top of the flagpole)
aided reconstruction of rig deployment tracks and allowed rigs to be deployed and relocated
3 hours later with real-time tracking. While the aluminium frame has capacity for stereo-
videography, for the purpose of this study, each rig was mounted with a single GoPro Hero 4
and battery extender. The bait canister, made from a plastic tub perforated with 6mm
diameter holes, was positioned in front of the camera by a 1m aluminium bait arm.
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PLYMOUTH

Figure 3.1. Images of the final pelagic BRUV design from various perspectives.

3.2.2. Study Site and Survey Design

The experiment tested the effect of suspension depth (two levels: 3m and 15m) below the
sea surface on pelagic species abundance and diversity, at various locations (predominantly
within the marine reserve) in Lyme Bay (Figure 3.2). BRUVs were deployed 10 times per
depth treatment over 3 days (25, 26t and 29" April 2022) with a total of 20 deployments
and a soak-time of 3 hours per replicate. Bait composition was based on typical shark chum
recipes, and consisted of: 400g of minced mackerel, 400g of chopped mackerel (Scomber
scombrus), 200ml of sardine oil and 200g of bran. An additional visual attractant (mirror ball)
was attached to the bait canister to enhance attraction of species, since Rees et al. (2015)
recommend combined use of attractants in the pelagic realm. A buffer period of 1 hour
before and after sunrise and sunset was implemented to negate the influence of crepuscular
activity on species assemblages. Deployment sites were selected at random from a range of
potential starting points based on the predicted trajectory of the BRUV (estimated by tidal
flow forecasting) with the aim of sampling a range of locations across an environmental
gradient. However, as the first study conducted with this method, uncertainty over retrieval
difficulty meant BRUVs were deployed in clusters of six to reduce the risk of losing
equipment (Figure 3.2). BRUVs deployed simultaneously were distributed at least 300m
apart to minimise bait plume overlap and repeated observations of the same species, and
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bait was replenished prior to each new deployment. Both depth treatments were sampled
concurrently in similar areas to reduce the confounding influence of temporal variability.
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Figure 3.2. Map of pelagic BRUV deployment tracks, displaying the distance travelled during 3-hour
deployments. Colours represent suspension depth below the sea surface (Red = 3m, Blue = 15m). The two MPA
boundaries (Statutory Instrument = S, Special Area of Conservation = SAC), are represented by black lines.
Black points indicate BRUV locations halfway through their deployments and the Northing/Easting data
incorporated into Generalised Linear Models.

3.2.3. Video Analysis

Videos were watched from start to finish at 4 X speed. When an animal was detected, the
footage was paused and re-watched at normal speed. All species present in the videos were
identified to highest possible taxonomic resolution and recorded alongside their time of
occurrence. For each species, MaxN was obtained as a conservative estimate of relative
abundance, whereby the maximum number of individuals of a species within a single frame
was recorded for each replicate. A subsample of the videos (5%, 3 hours) was watched at
normal speed to ensure that watching videos at faster speeds did not result in a loss of
information.

3.2.4. GPS Track Construction

GPS data were downloaded from trackers and used to reconstruct the paths of all successful
(those resulting in a full 3 hours of footage) camera deployments. Maps and BRUV tracks
were created using the packages “rworldmap” and “rnaturalearthhire” (South, 2011; South,
2022) in the statistical software, R (R Core team, 2021) and the distance travelled was
calculated using the “geodist” package (Padgham et al., 2021).
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3.2.5. Data Analysis

Generalised linear mixed models (GLMMs) were used to test statistical relationships
between explanatory variables and univariate data to account for potential similarity among
deployments sampled on the same day. GLMMs included the fixed effects of: 1) suspension
depth below sea surface, 2) depth of seafloor, 3) Northing and 4) Easting and the random
effect of day. Northing and Easting were documented for BRUV locations halfway through
each deployment (at 1.5 hours). The effects of these factors on the response variables: 1)
taxon richness, 2) total abundance (MaxN per deployment) of all taxa, 3) juvenile fish
abundance and 4) ctenophore abundance were tested using step-wise model simplification.
With the exception of taxon richness, all univariate response variables exhibited non-normal
distributions and significant overdispersion, therefore, GLMMs were fitted with a negative
binomial distribution and a log link function (using the “MASS” package in R (Venables &
Ripley, 2002)). Conversely, changes in taxon richness were assessed using a Gaussian GLMM
(using the “Ime4” package in R (Bates et al., 2015)). Maximal models underwent step-wise
selection, during which both Maximum Likelihood tests and Akaike’s Information Criterion
(AIC) were used to justify model simplifications, whereby a p-value of > 0.05 of and a
decrease in AIC value indicated no significant loss of explanatory power. Relative abundance
(MaxN) data underwent a bray-curtis transformation prior to visualisation of multivariate
assemblage data with a non-metric multidimensional scaling (nMDS) plot. PERMANOVA was
then used to statistically test the influence of: 1) depth below sea surface, 2) depth of
seafloor, 3) Northing and 4) Easting and 5) day on multivariate species assemblage data.
Finally, the effect of suspension depth on distance travelled by BRUVs was assessed with a T-
Test after assumptions of homogeneity of variance and normal distribution were confirmed.
All statistical analyses were conducted using the statistical programme R (R Core Team,
2021) and the package “ggplot2” (Wickham, 2016) was used to visualise data.

3.3. Results

A total of 20 pelagic BRUV deployments were conducted over three days for the full soak
time of 3 hours, resulting in 60 hours of footage. No sharks were observed, but analysis of
footage documented 141 individuals from 3 different phyla and 8 families, ranging from
small ctenophores to large fish and a diving bird (Figure 3.3, Table 3.1).
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Figure 3.3. Various species observed by pelagic BRUVS: (A) Alca torda, (B, C and E) Juvenile
and larval fish, D) Pileus pleurobranchia and F) Chrysaora hysoscella.
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Table 3.1. All taxa and their relative abundances documented by pelagic BRUV deployments (n = 20) at two different suspension depths (3m and 15m) below the sea surface.

overall Proportion of
Phylum Family Species Name Common Name  3MaxN Deep >MaxN Overall

Shallow IMaxN Observations
CNIDARIA Pleurobrachiidae Pleurpoigg:ch/a Sea Gooseberry 3 >l 54 37.7%
Beroidae Beroe cucumis Melc;z”iomb 2 7 9 6.3%
) . Bolinopsis Northern Comb 0 4 0
Bolinopsidae infundibulum Jelly 4 2.8%
Cyaneidae Cyanea lamarckii Blue Jellyfish 2 4 6 4.2%
Unidentified 2 2 0
i i Jellyfish 4 2.8%
Unidentified 1 1
- - 2 1.49
Ctenophore 4%
.. Chrysaora Compass 1 0 o
Pelagiidae hysoscella Jellyfish ! 0.70%
Total Cnidaria 7 Taxa 11 68 79 55.6%
CHORDATA Gadidae Pollachius Pollack > 0 5 3.5%
pollachius
i i pnldehtlf!ed 8 48 56 39.2%
juvenile fish
Alcidae Alca torda Razorbill 0 1 1 0.70%
Total 13 49 o
Chordata 3 Taxa 62 43.7%
ARTHROPODA Caridea - Unidentified 0 1 1 0.70%
shrimp
Total 0 1 o
Arthropoda 1 Taxon 1 0.7%
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3.3.1. GPSTracks

The distance travelled by BRUVs ranged from 1.16 km to 4.97 km (Figure 3.4), and distance
was not significantly influenced by the depth of suspension below the sea surface (T-test, p =
0.45).

Depth:

' 3m
* 15m

=y
L

Distance Travelled (km)
)S] W

3m 15m
Depth

Figure 3.4. Distance travelled by pelagic BRUVs (n = 20) during 3-hour deployments, grouped by Depth of
suspension below the sea surface.

3.3.2. Univariate Abundance and Diversity Metrics

Taxon richness per deployment ranged from 0 to 7 and differed significantly across
treatments. Taxon richness was significantly lower in the deeper (15m) deployments (p <
0.01, Table 3.1, Figure 3.5a) than shallow (3m) deployments and was significantly associated
with Northing (p < 0.05, Table 3.1, Figure 3.5b), with generally higher numbers of taxa
detected further South. However, seafloor depth (p = 0.49, Table 3.2) and Easting (p = 0.26,
Table 3.2) had no significant effect on taxon richness. When all taxa were aggregated, total
relative abundance (MaxN) ranged from 0 to 39 individuals per deployment. When
statistically analysed, total abundance was significantly negatively associated with Depth (p <
0.0001, Table 3.3, Figure 3.6a). Easting also significantly influenced total abundance (p <
0.0001, Table 3.3, Figure 3.6b), with generally higher abundances documented towards the
West. No significant effect was detected for Seafloor Depth (p = 0.55, Table 3.2) or Northing
(p=0.43, Table 3.2).
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Figure 3.5. Taxon richness per pelagic BRUV deployment (3 hours) and relationship with A) Depth below sea
surface (3m or 15m) and B) Northing.
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Figure 3.6. Total abundance of all taxa detected per pelagic BRUV deployment (3 hours) and relationship with
A) Depth below sea surface (3m or 15m) and B) Easting.
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Table 3.2. Generalised linear model (GLM) model selection of factors the abundance and diversity of pelagic
species in Lyme Bay (UK). Models included the fixed effects: Suspension Depth (D), Northing (N), Easting (E) and

Seafloor Depth (S) and the random effect of Day (1| Day).

Focal Taxa Response Final Model Full model Dropped AlCsun AAIC p-value
variable Type Term
All Taxa Total Relative ~ Negative Binomial A=D+N+E+S+(1|Day) (1| Day) 113 -2 1
Abundance GLM A=D+N+E+S SF 111 -2 0.55
(A) A=D+N+E E 109 7 0.0032
A=D+N+E N 109 -1 0.43
A=D+E D 108 13 0.0001
All Taxa Taxon Gaussian GLM TR=D+N+E+S+(1]|Day) (1| Day) 76 -13 1
Richness (TR) TR=D+N+E+S SF 63 -2 0.49
TR=D+N+E E 61 0 0.26
TR=D+N N 61 3 0.024
TR=D+N D 61 8 0.00087
Juvenile Fish Relative Negative Binomial A=D+N+E+S+(1|Day) (1| Day) 81 -2 1
Abundance GLM A=D+N+E+S SF 80 -2 0.75
(A) A=D+N+E E 78 5 0.0095
A=D+N+E N 78 -2 0.68
A=D+E D 76 0 0.15
Ctenophores Relative Negative Binomial A=D+N+E+S+(1|Day) (1| Day) 86 -2 1
Abundance GLM A=D+N+E+S SF 84 -1 0.42
(A) A=D+N+E E 83 1 0.063
A=D+N N 83 -1 0.58
A=D+N D 83 16 0.0000029

Table 3.3. Outputs of final GLMs selected through step-wise model selection. Demonstrating the role of spatial
variables (Suspension Depth, Northing & Easting) in influencing the abundance and diversity of pelagic species

in Lyme Bay (UK).

Response Final Model Type Terms Estimate SE P
variable
All Taxa Relative Negative Binomial GLM  Intercept 19.01 5.89 <0.01
Abundance Suspension Depth  1.46 0.32 <0.0001
Easting -0.054 0.018 <0.01
Taxon Richness Gaussian GLM Intercept 28.59 11.86 <0.05
Suspension Depth  1.46 0.44 <0.01
Northing -0.32 0.14 <0.05
Juvenile Fish Relative  Negative Binomial GLM  Intercept 45.51 14.06 <0.01
Abundance Easting -0.12 0.042 <0.01
Ctenophore Relative Negative Binomial Intercept -0.51 0.45 0.26
Abundance GLM Suspension Depth ~ 2.35 0.51 <0.0001
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Juvenile fish were relatively abundant in comparison to most other species groups, occurring
in both depth treatments, but in higher numbers at 3m (Table 3.1). 56 individual juvenile fish
were documented in total, accounting for 41% of all species observations (Table 3.1). When
analysed statistically the effect of depth was not significant (p = 0.15, Table 3.2), nor were
the effects of Northing (p = 0.68, Table 3.2) or Seafloor Depth (p = 0.75, Table 3.2). However,
Juvenile fish abundance was significantly associated with Easting (p < 0.01, Table 3.3, Figure
3.7), with generally higher abundances towards the West of Lyme Bay.

204

Juvenile Fish Abundance

320 330 340
Easting

Figure 3.7. Abundance (MaxN) or Juvenile Fish detected per pelagic BRUV deployment (3 hours) and
relationship with Easting.

When all ctenophore species were aggregated, they accounted for 49.6% of all species
observations (Table 3.1) making them the single most abundant taxon. In total, 3 ctenophore
taxa were identified to species level (Table 3.1). One species, Pleurobranchia pileus was
particularly common, accounting for 38% of all species observations. When grouped and
analysed statistically, Ctenophore relative abundance was significantly associated with the
Shallow (3m) treatment rather than the Deep (15m) treatment (p < 0.0001, Table 3.3).
Meanwhile, the variables: Seafloor Depth (p = 0.42, Table 3.2), Northing (p = 0.58, Table 3.2)
and Easting (p = 0.063, Table 3.2) had no significant impact on ctenophore abundance.
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Figure 3.8. Abundance (MaxN) of Ctenophores detected per pelagic BRUV deployment (3 hours) and
relationship with Depth (3m or 15m) below the sea surface.

3.3.3. Multivariate Diversity

A stress value of 0.15 (< 0.2) was calculated for the nMDS plot, suggesting that it accurately
reflected the multivariate distance among replicates (Clarke & Gorley, 2006). Depth
treatment clusters exhibited considerable overlap, however, PERMANOVA analysis (Table
3.4) identified that the 3 variables: Depth (p < 0.01, Figure 3.9, Table 3.4), Northing (p <
0.05, Table 3.4) and Easting (p < 0.05, Table 3.4) all significantly influenced multivariate
diversity. Conversely, no significant effect was identified for Seafloor Depth (p = 0.67, Table
3.4) or Day (p = 0.50, Table 3.4).

Table 3.4. Results from PERMANOVA analysis, exploring the effects of: Suspension Depth, Northing, Easting,
Seafloor Depth and Day, on multivariate diversity detected by pelagic BRUVs.

Terms R? F p
Suspension Depth 0.21 5.55 <0.01
Northing 0.11 2.97 <0.05
Easting 0.11 2.81 <0.05
Seafloor Depth 0.025 0.67 0.67
Day 0.035 0.92 0.50
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Figure 3.9. Non-metric multidimensional scaling plot displaying multivariate at two different depths (3m = Red,
15m = Blue) below the water surface measured by pelagic drifting BRUVS.

3.4. Discussion

The findings of this study shed light on the unique community supported by the pelagic
environment in Lyme Bay and reveal some of the underlying drivers of assemblage variation.
Results indicated that, when considered as a whole, the pelagic community in Lyme Bay
showed distinct spatial differences both vertically, in terms of depth below the sea surface
and horizontally in terms of Nothing and Easting. However, when broken down into the
different univariate components, spatial variables influenced each measure of abundance
and diversity to varying degrees. Whilst depth was an important driver of differences in both
total abundance and taxon richness, Northing was associated with changes in taxon richness
and Easting was more influential for total abundance. Furthermore, the two most abundant
taxa; Juvenile Fish and Ctenophores, were each only significantly associated with Easting and
Depth respectively. These findings alone demonstrate considerable potential for pelagic
drifting BRUVs to characterise the relationships between pelagic species and environmental
drivers and detect variation over short spatial scales.

Species detected by drifting BRUVs exhibited significant variation in morphologies, sizes and
trophic levels, indicating the value of this method for providing a holistic view of the
ecosystem. However, none of the pelagic or benthopelagic shark species known to occur in
Lyme Bay were detected in this survey. This may in part be explained by the seasonal
mobility of sharks in combination with the temporal constraints of this experiment which
took place over just 3 days in April. Although some benthopelagic shark species appear to
exhibit year-round residency in UK waters (Thorburn et al., 2015) most pelagic shark species
undertake seasonal migrations making them uncommon in UK waters in early spring. For
instance, blue sharks (Prionace glauca) have been found to move from the English Channel
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into the Bay of Biscay in the late summer and early autumn (Quieroz et al., 2010), which is
thought to indicate a larger Southerly migration in response to cooling surface waters
(Stevens, 1976; Stevens, 1990). Similar behaviour has been documented in porbeagle sharks
(Lamna nasus) which tend to move offshore or further South from coastal waters around the
British Isles over the Autmn and Winter (Saunders et al., 2011). Although, behaviour varies
considerably between individuals, and accounts also exist of L. nasus migrating northwards
in Autumn months (Pade et al., 2009) and even undertaking transatlantic movements
(Cameron et al., 2017). Therefore, taking the behaviour of pelagic sharks into account,
repeating this experiment in the late Spring or Summer may result in greater detection
success of large pelagic sharks.

Alternatively, the lack of pelagic shark observations could be explained by the restricted
spatial coverage of the survey. Whilst the drifting component of the BRUVs increased the
spatial coverage of individual deployments, the total area sampled remained limited relative
to the scale of shark movements. This is particularly noteworthy since the pelagic realm
exhibits considerable vertical and horizontal heterogeneity in environmental variables (e.g.
salinity, temperature, dissolved oxygen, chlorophyll), and most pelagic species are
associated with specific oceanographic characteristics driven by physiological limits,
bioenergetic demands and prey distributions (Sims et al., 2006; Quieroz et al., 2010; Scales
et al., 2014). For instance, movement of blue sharks (P. glauca) tagged in the English Channel
exhibited significant site fidelity associated with productive oceanographic fronts and in
inshore regions, meanwhile vertical movement was generally related to thermal habitat
preferences (Quieroz et al., 2012). Therefore, designing pelagic BRUV studies to target
specific oceanographic features and known hotspots may yield greater encounter success of
large pelagic species with low abundances and patchy distributions. In Lyme Bay, a deep
channel of fast flowing water runs past Portland Bill, locally known as ‘the Race’, resulting in
the formation of ephemeral eddies and a potential frontal system inside Lyme Bay (Pingree,
1983). This area is often targeted by recreational shark anglers; however, the unique
oceanography has not yet been characterised in association with shark distributions and
could present an interesting avenue for future research.

A final potential explanation for the pelagic shark absence may be that the bait quantity
used was insufficient. Whilst the bait composition was based on shark chum recipes used by
recreational anglers, the amount (1kg) was considerably lower than that typically used to
attract sharks towards fishing vessels. Therefore, exploring the effect of increasing bait
guantities may help optimise this method for attracting large pelagic predators. However,
increasing bait quantities expands the size of bait plumes, thereby reducing the spatial
resolution of deployments. Therefore, this trade-off between greater species attraction and
lower spatial resolution must be considered when tailoring this method to specific ecological
guestions. Overall, the value of drifting BRUVs for studying large pelagic species in UK waters
remains uncertain from this study alone.

Despite a lack of large pelagic species observations, this pilot study demonstrated the
capability of pelagic drifting BRUVSs to characterise the wider pelagic food web and detect
patterns of spatial variation, even at relatively low sampling effort and over short spatial
scales. This was particularly notable since primary productivity is highest in April in the
Northeast Atlantic (Edwards et al., 2022) which generally limits water visibility over this
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period. In terms of species diversity, pelagic BRUVs successfully detected species at the base
of the food web (ctenophores and fish larvae) up to larger juvenile fish and mesopredators
(pollack, Pollachius pollachius and a razorbill, Alca torda) demonstrating suitability for a wide
range of applications. For example, the detection of Bolinopsis infundibulum and
simultaneous observation of one of its predators, Beroe cucumis (Greve, 1975) demonstrates
potential to apply this method to the study of trophic interactions. Meanwhile, the
observation of a diverse array of cnidarians and ctenophores indicates the potential for
pelagic BRUVS to overcome inherent challenges associated with non-destructively sampling
fragile-bodied organisms with plankton nets. An issue which has previously led to the
underrepresentation of ctenophores in traditional planktonic studies (Dennis, 2003;
Haddock, 2004).

This study found that overall taxon richness and total abundance were significantly higher in
the 3m treatment than in the 15m treatment and were associated with Northing and Easting
respectively. This agrees with the wider consensus that pelagic communities are highly
variable across vertical and horizontal space (Gluchowska et al., 2017; Edwards et al., 2022).
Although the oceanographic drivers of diversity were not explored in this study, the majority
of species observations represented zooplankton, including: juvenile fish, ctenophores and
jellyfish. Zooplankton are known to exhibit significant spatial segregation in assemblage
composition, exhibiting sensitivity to various environmental (e.g. temperature, salinity, time
of day) and biological drivers (e.g. predation, competition), varying by context (Hays et al.,
2005; Steinberg & Landry, 2017; Drago et al., 2022). Future studies could therefore employ
this method in combination with oceanographic instruments to elucidate the chemical and
physical drivers underpinning the bottom-up structuring of pelagic communities. However, it
should be noted that the drifting aspect of this method may obscure actual abundance
estimates, particularly for planktonic species as these may drift with the camera. Therefore,
future efforts to calibrate this method with traditional methods (e.g. plankton nets) or static
pelagic BRUVs may increase the accuracy of relative abundance interpretation.

Deconstructing the pelagic community into two major taxonomic groups aided finer
interpretation of assemblage differences. When analysed alone, ctenophores were
significantly more abundant in shallow waters, than at 15m below the surface. The wider
literature indicates that ctenophore abundance differs with depth (Youngbluth et al., 2008),
although this study appears to be one of few revealing community differences over such
short vertical distances (12m). Evidence demonstrates that vertical distribution of
ctenophores can be influenced by an array of factors including distribution of predators and
prey (Esser et al., 2004). They are also inextricably linked to the spatiotemporal dynamism of
water column stratification (Youngbluth et al., 2008). Preferences for specific light profiles
along with the aggregating or segregating effects of pycnoclines and mixing are all likely to
influence the distribution of these species at any given time (Graham et al., 2001). The use of
this method over broader spatiotemporal gradients and in combination with oceanographic
instruments and plankton nets (to explore lower trophic levels) may help disentangle the
relative importance of drivers. Nevertheless, the most abundant species was P. pileus; a
carnivorous ctenophore which feeds on smaller zooplankton, particularly copepods (Greve,
1975; Neal, 2005). Previous studies have demonstrated that P. pileus alters its vertical
distribution in response to presence of benthic predators (Esser et al., 2004), some of which
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include lumpfish, Pagurus spp., Carcinus maenas, Crangon spp. and Gadidae fish (Eriksen et
al., 2018). This could be a plausible explanation for the trends seen in this study, whereby
ctenophores were less common lower down in the water column, particularly given the
recovery of many benthic crustaceans and benthopelagic fish (Davies et al., 2021). However,
this cannot be concluded from this study alone due to the limited vertical gradient sampled.
Bentho-pelagic linkages such as these remain predominantly un-explored in the discourse
surrounding MPA recovery and may represent another opportunity for the future
application of pelagic BRUV research.

Juvenile fish, were the single most abundant taxon observed in this survey, agreeing with
broader studies in the NE Atlantic which observed high abundances of larval fish in coastal
waters over the continental shelf (Harith et al., 2021). Juvenile fish were not significantly
associated with Depth, which was unexpected considering the vastly greater overall
abundance of juvenile fish observed at 3m than at 15m. This lack of effect may be explained
by apparent vertical segregation of behaviour between the two different depths. While
juvenile fish were detected more consistently at 15m compared to 3m, when observed in
the 3m treatment, juvenile fish tended to be more abundant (n = 1 — 25) due to clear
schooling behaviour. Meanwhile, at 15m, juvenile fish were only ever observed in isolation.
The distinct behaviours observed may suggest that fish occurring at these two depths are of
different species or developmental stages. Conversely, juvenile fish abundance was
significantly negatively associated with Easting, supporting the current consensus that larval
fish assemblages are highly spatially variable (Gray & Miskiewicz, 2000; Harith et al., 2021).
Spatial variation in juvenile fish abundance is influenced by a range of biophysical factors,
from adult spawning seasons and locations (Doyle et al., 1993; Harris et al., 2001) to
prevailing oceanographic conditions and water mass properties (Muhling et al., 2008). Since
this study exhibited low replication and was conducted over a short time-period, further
investigation is warranted to determine whether the West of Lyme Bay MPA encompasses
essential juvenile fish habitat and illustrate the role of potential structuring factors.

3.5. Conclusions

To summarise, whilst this study demonstrated the potential for pelagic BRUVs to
characterise spatial variation in pelagic assemblages, a lack of elasmobranch observations
leaves doubts surrounding the application of this method to quantifying rare and highly
mobile species. Furthermore, considering the general scarcity of pelagic elasmobranchs and
their affinity for specific oceanographic features and conditions, this method may be better
suited for use in combination with oceanographic instruments to characterise the bottom-up
drivers (e.g. prey abundances) of shark distribution in formerly identified shark hotspots.
This was further supported by the successful identification and relative quantification of
several species across a range of trophic levels, demonstrating potential to provide a
snapshot of the wider pelagic food-web. Pelagic BRUVs were able to detect statistically
distinct assemblages over short vertical and horizontal scales indicating considerable value
as a non-destructive survey tool and application to a variety of ecological questions.
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General Conclusions

To summarise, this thesis set out to address several evidence and methodological gaps
surrounding the value of temperate MPAs as an elasmobranch conservation tool. Overall,
this thesis found that MPAs exhibit potential to benefit temperate elasmobranch
populations, but the in-depth appraisal of existing case studies (Chapter 1) found that MPA
success was equivocal and context-specific. Accordingly, further exploration into the
underlying drivers of MPA performance uncovered the role of several biophysical and social
factors in driving MPA benefits. These included the size of a species’ home range, the
intrinsic vulnerability of the protected habitat to fishing and the extent of stakeholder
support. Furthermore, factors were found to interact and vary in significance depending on
the specific location and focal elasmobranch population. It was concluded that, biophysical
factors (e.g. species mobility, habitat type, site associations) set the theoretical limits on
MPA efficacy, if resources were unlimited. Yet, in reality, MPA performance is generally
governed by a trade-off between ecological and social outcomes, since the implementation
of MPAs involves a wide range of stakeholders with diverging needs and ideas of success.

Studying the partially-protected MPA in Lyme Bay revealed more about the conditions
necessary for MPA success (Chapter 2). As a non-elasmobranch focussed MPA, designated
specifically to protect rocky-reef habitat and sessile bioconstructors (e.g. Ross Coral, P.
foliacea), Lyme Bay MPA demonstrates the potential for MPAs to provide opportunistic
benefits to some elasmobranch species. Since Lyme Bay was not strategically designed for
elasmobranchs, the benefits detected are likely attributed to the achievement of many key
social criteria (e.g. long-term monitoring, stakeholder engagement, buy-in and, compliance).
However, benefits were limited predominantly to the small-spotted catshark (S. canicula) a
small-bodied shark with r-selected life history traits and of low conservation priority.
Contrastingly, benefits in priority species (G. galeus, Mustelus spp. and Rajidae skates), were
less evident. This likely reflected the lack of fishing limits, beyond the prohibition of
demersal fishing inside the MPA, which enabled the continual extraction of these species
and included significant fishing effort in adjacent waters. Furthermore, a lack of habitat
associations between elasmobranchs and protected reef habitats likely reduced the time
spent inside the MPA.

This interspecific variability in MPA benefits was thought to be explained by a range of
factors. Firstly, while the generalist scavenger foraging behaviour of S. canicula likely
enabled this species to take advantage of the increased food sources available in the
recovering reef habitats, the more specialist feeding strategies of Triakidae sharks and
Rajidae skates likely limited the benefits they received. Meanwhile, S. canicula exhibits r-
selected life-history strategies and therefore exhibits greater reproductive output,
potentially allowing it to compensate for significant extraction rates. In comparison, Rajidae
skates and Triakidae sharks are less productive, making them more intrinsically vulnerable to
overextraction. Overall, the findings of this chapter supported those in Chapter 1, which
demonstrated the nuanced nature of MPA success.

All three chapters revealed insights into the inherent challenges associated with temperate
elasmobranch monitoring in MPAs. Meanwhile, the two BRUV studies (Chapter 2 & 3)
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revealed specific limitations surrounding the application of BRUVs to elasmobranch
monitoring in UK waters. Chapter 2 found that low water visibility impeded species-level
identification in some instances, particularly for cryptic species (e.g. Triakidae sharks).
Meanwhile, both Chapters 2 and 3 demonstrated the necessity for large quantities of
footage in order to achieve sufficient species observations for statistical analysis. This issue
appeared to be magnified in the pelagic study, during which no sharks were detected
despite obtaining 60 hours of footage and using large quantities (1kg) of bait. It was
suggested that this tool may be best suited to exploring known pelagic shark hotspots where
detection probability would be higher. Alternatively, since Chapter 3 demonstrated the
capacity for drifting pelagic BRUVS to characterise spatial variation in pelagic communities,
this method may prove useful as a complement to telemetry or visual encounter surveys, for
determining the role of wider pelagic food web (e.g. prey distributions) in driving pelagic
shark distributions. Regardless, further study to optimise BRUV methodologies (e.g. soak
time, bait type, bait amount, time of deployment) for detecting elasmobranchs in UK waters
would greatly benefit the future application of these methods.

Overall, this work supports the notion that MPAs should play a key role in the conservation
of temperate elasmobranchs. However, they should not be considered a panacea and
serious consideration should be given to the exact conditions under which they are
established. It is recommended that MPAs should be one part of a larger network of
conservation strategies, including an interconnected network of MPAs, complementary
fishing limits and market-based interventions. Whilst non-elasmobranch focussed MPAs may
inadvertently provide benefits to generalist and fast-growing elasmobranch species, minor
MPA modifications could opportunistically maximise conservation outcomes for rarer and
more mobile species. However, this should not negate the pursuit of ‘gold-standard’,
elasmobranch-focussed MPAs, designed according to the guardrails outlined in Chapter 1.
Finally, holistic protection of elasmobranchs will not be achieved without a transformation
of current monitoring approaches, both in MPA research and more widely, to facilitate real-
time detection and response to elasmobranch declines. This will benefit considerably from
the further optimisation and adoption of novel technologies.
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Appendices

Appendix 1: The relationship between biogenic reef species percentage cover and A)
S.canicula abundance and b) Rajidae skate abundance in 2016.
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Appendix 2: Mean elasmobranch taxon richness documented by BRUVs in Lyme Bay across
the experimental treatments: MPA (2009 — 2020), NOC, (2009- 2020) and FOC (2009 — 2020).
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Appendix 3: Publicly available species-specific shark landings data
(https://www.gov.uk/government/organisations/marine-management-organisation,
accessed: 15/02/2022) representing a proxy for the total weight (T) of landed sharks in the
wider Lyme Bay region (ICES rectangles: 30E6 & 30E7). Landings are apportioned to those
landed by mobile (prohibited inside the MPA) and static gears and represent the sum of all
reported landings per year.
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Appendix 4: All elasmobranch species reported in publicly available fishery landings data
(https://www.gov.uk/government/organisations/marine-management-organisation,
accessed: 15/02/2022), in the wider Lyme Bay region (ICES rectangles: 30E6 & 30E7) from

2009 - 2020.
Name in Landings Latin Name
Arctic Skate Amblyraja hyperborea
Basking Shark Cetorhinus maximus
Black Dogfish Centroscyllium fabricii
Blonde Ray Raja brachyura
Blue Shark Prionace glauca
Common Skate Dipturus batis
Cuckoo Ray Leucoraja naevus
Small-spotted catshark Scyliorhinus canicula
Mako Shark Isurus sp.
Nursehound Scyliorhinus stellaris
Sandy Ray Leucoraja circularis

Shagreen Ray

Leucoraja fullonica

Small-eyed Ray

Raja microocellata

Smoothound Mustelus spp.
Spotted Ray Raja montagui
Spurdog Squalus acanthias
Thornback Ray Raja clavata
Thresher Shark Alopias vulpinus
Tope Galeorhinus galeus

Undulate Ray

Raja undulata
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Appendix 5: Publicly available species-specific skate landings data
(https://www.gov.uk/government/organisations/marine-management-organisation,
accessed: 15/02/2022) representing a proxy for the total weight (T) of landed skates in the
wider Lyme Bay region (ICES rectangles: 30E6 & 30E7). Landings are apportioned to those
landed by mobile (prohibited inside the MPA) and static gears and represent the sum of all
reported landings per year.
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