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A B S T R A C T   

This research reports the effects of pH increase on contaminant mobility in acid mine drainage from the Iberian 
Pyrite Belt by seawater mixing in the laboratory, simulating the processes occurring in the Estuary of Huelva (SW 
Iberian Peninsula). Concentrations of Al, Fe, As, Cu and REY in mixing solutions significantly decreased with 
increasing pH. Schwertmannite precipitation at pH 2.5–4.0 led to the total removal of Fe(III) and As. Subse
quently, iron-depleted solutions began to be controlled by precipitation of basaluminite at pH 4.5–6.0, which 
acted as a sink for Al, Cu and REY. Nevertheless, as the pH rises, schwertmannite becomes unstable and releases 
back to solution the previously retained As. Moreover, other elements (S, Zn, Cd, Ni and Co) behaved conser
vatively in mixing solutions with no participation in precipitation processes. Some toxic elements finally end up 
to the Atlantic Ocean contributing to the total pollutant loads and environmentally threatening the coastal areas.   

1. Introduction 

Meteoric waters draining mining areas of sulfide-bearing ore de
posits lead to the oxidation of sulfides and consequently generate acid 
mine drainage (AMD), which are leachates characterised by low pH 
values and high concentrations of sulfate, iron, aluminum, and poten
tially toxic elements such as As, Cu, Zn, Cd, Co and Ni, among others 
(Nordstrom, 2011). Human activities, especially related to abandoned 
mining facilities, cause environmental pollution due to the release of 
significant concentrations of these metal(loid)s into rivers that finally 
flow into the oceans. 

Much research has focused on the behaviour of pollutants in AMD- 
affected fluvial courses. In watercourses, element concentrations can 
be affected by both precipitation of newly-formed phases and dilution by 
mixing with pristine receiving waters, resulting in a natural contami
nation attenuation downstream of point sources located in mining dis
tricts (Lambeth, 1999; Sarmiento et al., 2009). High concentrations of 
sulfate and ferric iron in AMD favour the spontaneous precipitation of 
schwertmannite (Fe8O8(OH)(8− 2x)(SO4)x⋅nH2O; with x varying from 1 to 

1.75), a poorly crystalline and metastable oxyhydroxysulfate that 
commonly covers AMD-impacted riverbeds worldwide (Bigham et al., 
1990, 1994; Yu et al., 1999; Fernandez-Martinez et al., 2010; Caraballo 
et al., 2013). Schwertmannite surface is protonated, and thus, is posi
tively charged under acidic conditions, which favours the retention of 
oxyanions from solution, particularly As (Courtin-Nomade et al., 2003; 
Fukushi et al., 2003; Acero et al., 2006), but also Sb, Cr, Mo and V 
(Orden et al., 2021). Electrostatic repulsion between metal cations and 
the mineral surface, both positively charged, together with the acidity of 
solutions buffered by the release of protons involved in the schwert
mannite precipitation, cause that the rest of the elements (e.g., Cd, Co, 
Ni, and Zn) mostly behave conservatively in streams at pH below 4.0; i. 
e., their concentrations only decrease by dilution but not by mineral 
precipitation (Braungardt et al., 2003). 

Estuaries represent the transition zone between freshwater and 
seawater, regulating the flux of pollutants entering the coastal areas and 
ultimately the deep oceans. Geochemical processes controlling the 
mobility of contaminants in estuarine systems can be very complex and 
include a set of reactions transferring mass between dissolved and 
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particulate phases in response to the salinity gradients from fresh- and 
seawaters (Morris et al., 1986; Bewers and Yeats, 1989; Baeyens et al., 
1998; Zhou et al., 2003). In addition to saline mixing, other geochemical 
processes also occur in estuaries receiving AMD-affected streams, as 
there is a sharp gradient of pH, from values between 2.5 and 3.5 at the 
fluvial domain to values close to 8.0 in the marine domain, which occurs 
in a very short distance. Such a wide variation in pH values can cause 
elements, which mostly behave conservatively in fluvial courses, to 
undergo geochemical processes related to acid neutralisation that affect 
their mobility in marine environments. Although these processes have 
been simulated using geochemical modelling (Asta et al., 2015), the 
study of the synergy between hydrochemical and mineralogical infor
mation of such reactions in estuarine systems is still in its infancy. 

The main objective of this study is to elucidate the main geochemical 
reactions that occur in estuaries or other coastal sites receiving AMD- 
affected river waters. These processes significantly control the fluvial 
flux of elements reaching the oceans. With this objective in mind, clas
sical laboratory mixing experiments were performed to evaluate the 
conservative or non-conservative behaviour of AMD-related elements 
during mixing with seawater. Such behaviour was assessed by chemical 
analysis of the mixing solutions and mineralogical characterisation of 
the newly-formed phases. As a complementary tool, geochemical 
modelling was performed with the PHREEQC code to seek understand
ing between the hydrochemical and mineralogical results (Parkhurst 
and Appelo, 2013). 

2. Materials and methods 

2.1. Study site 

The Estuary of Huelva is formed by the confluence of the Tinto and 
Odiel Rivers (SW Spain). Both rivers, strongly affected by AMD, drain a 
region known geologically as the Iberian Pyrite Belt (IPB), which is one 
of the most important massive sulfide provinces in the world with 
original reserves in the order of 1700 Mt. (Sáez et al., 1999). Intense 
mining activity in the IPB dates back to about 5000 years of history 
(Davis et al., 2000; Leblanc et al., 2000). The main environmental 
problem in the IPB is the AMD generation from the surface oxidation of 
sulfide minerals contained in abandoned mine wastes. These acidic and 
metal(loid)-rich leachates are drained by the Tinto and Odiel Rivers, 
causing the total pollution of their waters (e.g., Olías et al., 2006; Nieto 
et al., 2013). The transfer of acidity and potentially toxic elements to the 
Estuary of Huelva has been the focus of numerous investigations (e.g., 
Elbaz-Poulichet et al., 2001; Borrego et al., 2002; Braungardt et al., 
2003; Carro et al., 2011; Hierro et al., 2014). Pollution levels are so 
extreme that both rivers and the estuary can be considered one of the 
most polluted aquatic systems in the world. The fluvial contribution of 
contaminants to the Estuary of Huelva for different periods and under 
different climatic conditions is well known. For example, Olías et al. 
(2006) calculated the discharge for the period 1995 to 2003 and esti
mated that both rivers contribute to the estuary >50 % of the total Zn 
and 10 % of the total Cu transferred globally from the continents to the 
oceans. The lack of control measures at abandoned IPB mining facilities 
can also lead to accidental spills of huge volumes of AMD that increase 
the input of pollutants to the oceans. A clear example is what happened 
in 2017 in the abandoned La Zarza mining district when the concrete 
plug of an underground gallery collapsed, suddenly releasing 270,000 
m3 of AMD from an open-pit lake to the Odiel River (Olías et al., 2019). 
The IPB is hence a local case study but with global environmental im
plications. At present, the application of some eco-sustainable full-scale 
passive treatment systems based on alkaline addition has shown to be 
highly effective in reducing the pollutant load and acidity in abandoned 
AMD discharges at the IPB (Martínez et al., 2019; Orden et al., 2021). 
This research focuses on geochemical processes occurring in the Estuary 
of Huelva; however, it can be extended to other mining districts around 
the world where AMD streams mix directly with seawater such as King 

River (Tasmania, Australia; Augustinus et al., 2010), Chonam-ri Creek 
(Kwangyang, South Korea; Jung et al., 2012), Afon Goch (Anglesey, 
North Wales; Dean et al., 2013) and Gromolo Torrent (Liguria, North- 
West Italy; Consani et al., 2017). 

2.2. Sampling and estuarine water mixing experiments 

Geochemical processes that take place during the progressive inter
action of AMD with seawater in the Estuary of Huelva were evaluated in 
the laboratory to fully control the mass balance and so evaluate reaction- 
paths responsible for the mobility of contaminants during the mixing. 
For this purpose, mixing experiments were carried out using different 
AMD samples from various locations in the IPB. The samples were 
selected to cover a wide range of geochemical representativeness. 
Within the Odiel River basin, two samples were taken during the acci
dental spill from La Zarza pit lake in 2017: in the mine site (La Zarza) 
and just in the Odiel River before the estuary coinciding with the arrival 
of the contamination plume (Gibraleón). Within the Tinto River basin, 
two different samples were collected in 2018: from an underground 
mine gallery at the Riotinto mining district (Riotinto) and in the Tinto 
River just before the estuary (Niebla). This also allows making a com
parison between the two river basins in terms of the behaviour of pol
lutants during estuarine mixing and between natural conditions and 
accidental spills. In the case of the sample from Riotinto, the AMD arises 
from an underground mine drift with limited oxygen renewal, so high Fe 
(II) to total Fe ratios are expected, which also allows predicting the 
redox behaviour of iron in marine environments. Sampling locations can 
be consulted at KML file of the Supplementary information. 

For mixing experiments with AMD from the Odiel River basin, 
seawater was taken from the ocean coast at a contamination-free un
derway to study the exclusive effect of the mine spill in the estuary. 
However, mixing experiments with AMD from the Tinto River basin 
were carried out using estuarine water within the marine domain. In the 
field, 5 L of AMD and 25 L of seawater were collected in decontaminated 
polyethylene containers, previously rinsed with the same sample. 
Seawater sampling on the ocean coast was carried out using a Niskin 
bottle from a boat and at a depth of 10 m to avoid possible cross- 
contamination by the boat. Data on pH, electrical conductivity (EC), 
oxidation-reduction potential (ORP) and temperature were measured in 
situ with a Crison MM40+ portable multiparameter instrument. A 
calibration at three points was performed for both EC and pH (147 μS/ 
cm, 1413 μS/cm, and 12.88 mS/cm and 4.01, 7.00, and 9.21, respec
tively), while ORP was controlled using two different standard solutions 
(220 and 470 mV). Samples were immediately transferred to the labo
ratory where titration experiments were performed by dropwise addi
tion of seawater over an initial volume of unfiltered AMD using a 
graduated burette under continuous stirring with a magnetic bar. The 
initial volume of AMD for all experiments depended mainly on the pH of 
the sample, so the data are expressed as mixing ratios estuarine water to 
acid mine water. The physicochemical parameters were measured 
continuously throughout the pH rise to values of 7.0–7.5. Once the 
titration was finished, the experiments were repeated under the same 
conditions in order to collect samples of solution at different pH values 
(from 2.5 to 7.5, in increments of 0.5 pH units). Solid precipitates were 
collected at pH values of 4.0 and 5.5 in each mixing experiment, and also 
at pH of 7.5 in the mixing experiment with AMD from Riotinto. These pH 
values (approx. 4.0, 5.5 and 7.5) coincide with the stability fields for Fe 
(III), Al and Fe(II) oxyhydroxysulfates, respectively, typical of AMD 
neutralisation and their precipitation is expected (Nordstrom and Alp
ers, 1999). In the case of the AMD from Riotinto, the possible precipi
tation of Fe(II) phases must be considered given the expectedly high Fe 
(II) concentration in this sample as stated before. 

The resulting solutions and precipitates from each mixing experi
ment were collected for analysis. Two aliquots were subsequently 
separated in polyethylene vials after filtering through 0.45 μm pore size 
filters; one for analysis of cation concentrations after being acidified 
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with 1 % suprapure nitric acid, and another unacidified for anion 
analysis. The solid precipitate samples for the different pH values were 
collected on filter paper (0.45 μm of pore size) by filtration of the total 
amount of the solutions using a vacuum pump. These solid samples were 
freeze-dried by lyophilization and examined for mineralogical charac
terisation of newly-formed phases. 

2.3. Chemical and mineralogical analyses 

Major elements concentrations were determined by Inductively 
Coupled Plasma-Atomic Emission Spectroscopy (ICP-AES; Jobin Yvon 
Ultima 2) at the University of Huelva. Trace elements concentrations 
were determined by Inductively Coupled Plasma-Mass Spectrometry 
(ICP-MS) with a Thermo Scientific iCAP TQ ICP-MS a the Plateforme 
AETE-ISO (HydroSciences/OSU OREME, University of Montpellier) 
without any prior dilution using Kinetic energy Discrimination - Argon 
Gas Dilution (KED-AGD mode). For trace element determinations, an 
internal solution containing Be, Sc, Ge, Rh and Ir was added on-line to 
the samples to correct signal drifts. Estuarine water reference materials 
for trace metals (SLEW-3 and CASS-6) were also analyzed to check the 
analytical accuracy. Detection limits were between 0.02 and 0.2 mg/L 
for major elements and ranged from 0.23 μg/L (Zn) to 3.44 pg/L (La) for 
trace elements. Detailed information about detection limits and refer
ence material analysis can be found in the Table S1 of the Supplemen
tary information (SI). In addition, anions concentrations were 
determined using ion chromatography (Dionex DX-120) at the labora
tories of the University of Huelva. In mixing experiments with AMD from 
Tinto River basin, information on Rare Earth Elements and Yttrium 
(abbreviated as REY) was also obtained and will be discussed in the 
current study. The Fe(II)/Fe(III) concentrations in mixing experiments 
with the AMD sample from Riotinto were determined using 1.10 phe
nanthroline according to standard methods (Tamura et al., 1974) with a 
Hach DR/890 spectrophotometer. 

The solid samples were analyzed by bulk powder X-ray diffraction 
(XRD) using a Bruker D8 Advance X-ray diffractometer at the University 
of Huelva. Working conditions were slit fixed at 12 mm, Cu Kα mono
chromatic radiation, 30 mA and 40 kV, a scan range of 3–65◦ 2θ, 0.02◦

2θ step size and 9.3 s counting time per step. Samples were also exam
ined by FEI QemScan 650F high-resolution Field Emission Environ
mental Scanning Electron Microscope (SEM) at Center for Scientific 
Instrumentation at the University of Granada. The samples were 
mounted on carbon tape, carbon coated, and back-scattered mode was 
used for high-resolution imaging of the particles and the semi
quantitative chemical composition was examined by energy-dispersive 
X-ray microanalysis (EDX). The acceleration voltage was set to 20 kV 
for the data acquisition. 

2.4. Geochemical modelling 

Speciation-solution and reaction calculations were performed using 
the geochemical modelling PHREEQC-3.0 code (Parkhurst and Appelo, 
2013) and the WATEQ4F thermodynamic database (Ball and Nordstrom, 
2001). This database was enlarged with data from Bigham et al. (1996) 
and Davesne et al. (2010) to account for schwertmannite and green rust 
solubility, respectively. For geochemical modelling, values of ORP were 
corrected to obtain Eh values, referenced to the standard hydrogen 
electrode (Nordstrom and Wilde, 1998). PHREEQC code was used to 
calculate aqueous speciation of solutions and saturation indices of the 
solid phases [SI = log (IAP / KS), where SI is the saturation index, IAP is 
the ion activity product and KS is the solid solubility product]. PHREEQC 
code was also used to check the quality of the analyses through calcu
lating the charge balance error between cations and anions, which was 
within 10 % for all the samples. 

3. Results and discussion 

3.1. Chemical composition of starting solutions 

The geochemical characteristics of starting solutions are summarised 
in Table S2 of the SI. The AMD samples displayed conditions of high 
acidity and extreme contamination, with pH values of 2.27 (La Zarza), 
2.44 (Niebla), 2.49 (Gibraleón) and 2.77 (Riotinto), and electrical con
ductivities of 8.41, 2.63, 2.90 and 13.5 mS/cm, respectively. As ex
pected from extreme acidity and high electrical conductivity values, 
AMD solutions contain high concentrations of anions and cations, some 
of them being potentially toxic pollutants, especially in the samples from 
the upper part of both river basins; e.g., 31.4 and 13.4 g/L of SO4, 3908 
and 2374 mg/L of Fe and 1865 and 554 mg/L of Al for the AMD from 
Riotinto and La Zarza, respectively, in addition to other elements such as 
Zn (841 and 106 mg/L), Cu (286 and 97.6 mg/L), Co (17.0 and 4.80 mg/ 
L), Cd (3.87 and 0.39 mg/L), Ni (1.63 and 3.97 mg/L) and As (763 and 
5432 μg/L, respectively). Percentages of Fe(II) relative to total Fe in the 
AMD from Riotinto are higher than 85 % (Table S2). In addition, the sum 
of REY concentrations in the latter AMD is 5.77 mg/L. In the other AMD 
samples, aqueous total Fe is mostly found as Fe(III). On the other hand, 
seawater showed typical alkaline pH values of 7.64 and 8.22 for estu
arine and open seawater, as well as electrical conductivities of 35.6 and 
49.1 mS/cm, respectively. In addition, all the contaminants detected in 
the AMD samples were in negligible abundances in the seawater samples 
(Table S2), especially in the sample collected in the open sea, and 
therefore, these samples do not contribute to the resulting concentra
tions after mixing experiments. 

Geochemical modelling results obtained with PHREEQC code are 
shown in the Table S3 of the SI. According to these simulations, starting 
AMD solutions were supersaturated with respect to Fe(III) mineral 
phases such as schwertmannite (Fe8O8(OH)4.5(SO4)1.75), ferrihydrite (Fe 
(OH)3), jarosite (KFe3(SO4)2(OH)6), goethite (FeOOH) and lepidocrocite 
(FeOOH) (Table S3). Among these minerals, acid drainage precipitates 
in waters with pH values in the range of 2.8 to 4.5 are predominantly 
composed of schwertmannite, as suggested by Bigham et al. (1996). As 
stated before, the spontaneous precipitation of schwertmannite and its 
high affinity for As could explain the non-conservative character of Fe 
and As in AMD-affected streams. This is especially significant in the case 
of the La Zarza spill since the accidental discharge led to a notable in
crease in flow and element concentrations, also increasing the amount of 
Fe-rich suspended colloids, likely schwertmannite, within the pollution 
plume, as observed by Olías et al. (2019). These latter authors found that 
precipitation and adsorption/coprecipitation processes along the river 
removed up to 65 % of Fe and 97 % of As in the form of particulate 
matter before reaching the estuary. In fact, the AMD sample collected for 
the current study transported suspended colloids within the contami
nation plume and ochre-coloured precipitates settled to the bottom of 
the container during the transport of the sample to the laboratory. Given 
the high amount of suspended particulate matter, titration experiments 
with this AMD sample also allowed studying the effect of the interaction 
of particulate matter contaminants with seawater. 

3.2. Mixing ratios of estuarine water to acid mine water 

The titration curves show the neutralisation of acidity during mixing 
with seawater (Fig. 1). The respective amounts of seawater and AMD 
used for each target pH, together with the physicochemical parameters 
for all samples, are compiled in Table S2. The extreme acidity of the 
AMD samples implies a slow pH increase even with the addition of large 
amounts of seawater. Approx. 8.8 mL, 11 mL, 237 mL and 107 mL of 
seawater were necessary to raise the pH up to 7 for each mL of AMD from 
Niebla, Gibraleón, Riotinto and La Zarza, in that order. Furthermore, 
some inflection zones were observed in the titration curves where higher 
seawater to AMD ratios were required to raise pH values, indicating the 
occurrence of buffers probably due to changes in aqueous speciation or 
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mineral solubility involving proton release and, thus, hindering pH rise. 
These buffer zones coincide with solubility changes in Fe(III), Al and Fe 
(II) due to precipitation of oxyhydroxysulfates as discussed in later 
sections and, for this reason, they have been named Fe(III)-, Al- and Fe 
(II)-buffers in Fig. 1. In fact, similar mixing experiments but at extreme 
net acidity conditions required an order of magnitude more seawater 
than here to overcome these same buffer barriers and thus reach 
neutrality due to extremely high Fe and Al concentrations (Lecomte 
et al., 2017). 

3.3. Trends in solution chemistry during mixing experiments 

The concentrations observed in the starting AMD decreased signifi
cantly from the initial values during the mixing experiments due mainly 
to dilution by seawater addition. In fact, concentrations observed in the 
mixing solutions at circumneutral pH are similar to those found in 
seawater given the high amounts of seawater used in the experiments 
(Table S2). To evaluate the behaviour of the contaminants during the 
experimental run subtracting the dilution effect, theoretical concentra
tions ([M]Theoretical) for each target pH value were calculated from the 
concentrations analyzed in the extreme members, i.e., seawater ([M]SW) 
and AMD ([M]AMD), multiplied by the volume fraction of the mixture 
seawater (vol. fractionSW) and AMD (vol. fractionAMD) according to the 
following equation (Eq. (1)): 

[M]Theoretical =
(
[M]SW × vol.fractionSW

)
+
(
[M]AMD × vol.fractionAMD

)
(1) 

Similarity between theoretical and experimental concentrations for a 
given element during the mixing is indicative that the decrease in con
centration is due exclusively to a dilution effect, i.e. such element shows 
a conservative behaviour. On the contrary, experimental values lower 

that theoretical concentrations indicate that mineral precipitation also 
occurs during mixing, i.e. such element shows a non-conservative 
behaviour. 

Evolution with the pH increase of the relationship between the 
experimental concentrations and those calculated from the theoretical 
mixing of end-members, in terms of percent similarity, for some major 
metals such as Fe and Al and trace elements such as As and Cu can be 
found in the Figs. 2 and 3. The results evidence that these elements 
exhibited a non-conservative behaviour throughout the seawater mixing 
experiments, i.e. their concentrations decrease in solution not only by 
dilution but also by mineral precipitation processes. The first buffer 
observed in the titration curves (orange bands; Fig. 1) is found at pH 
values between 2.5 and 4.0 and coincides with the Fe(III) precipitation 
(Fig. 2), which passes from being 100 % in solution to values below 
detection limit in the experiments with AMD from Niebla, Gibraleón and 
La Zarza. Geochemical modelling suggests that solutions in this buffer 
zone are supersaturated with respect to Fe(III) phases such as schwert
mannite, ferrihydrite, jarosite, goethite and lepidocrocite (Table S3). As 
observed in the reactions showed in Table S3, Fe(III) precipitation re
leases protons that would counteract the pH increase by seawater 
addition and buffer the pH until all of the Fe(III) in solution is depleted, 
completing the process of Fe removal that naturally begins with the 
spontaneous precipitation in the starting AMD. The second buffer 
observed in the titration curves (grey bands; Fig. 1) is recorded at pH 
values between 4.5 and 6.0 and corresponds to the total Al precipitation 
in all mixing experiments (Fig. 3). According to geochemical calcula
tions, these observations were consistent with Al hydrolysis and subse
quent precipitation, buffering the pH. In fact, solutions at this pH range 
were supersaturated with respect to Al phases such as basaluminite 
(Al4(OH)10SO4), gibbsite (Al(OH)3), alunite (KAl3(SO4)2(OH)6), 
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Fig. 1. Evolution of pH during addition of seawater to AMD from (a) Niebla, (b) Gibraleón, (c) Riotinto and (d) La Zarza. Orange, grey and green areas represent 
different buffers for Fe(III), Al and Fe(II), respectively. (For interpretation of the references to colour in this figure legend, the reader is referred to the web version of 
this article.) 
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boehmite (AlOOH) and diaspore (AlOOH) (Table S3). These observa
tions are consistent with the different first hydrolysis constants of Fe(III) 
and Al, with pK values of 2.2 and 5.0, respectively, as discussed in 
Nordstrom and Ball (1986) and Bigham and Nordstrom (2000). 

In the starting AMD sample from Riotinto, around 85 % of total Fe is 
as Fe(II) as stated before (Table S2), which explains why the buffer 
corresponding to Fe(III) precipitation is negligible (orange band) 
compared to the buffer corresponding to Fe(II) precipitation at higher 
pH values of 6.0–7.5 (green band; Figs. 1c and 2c). In fact, according to 
the evolution of Fe(II)/Fe(III) in this experiment (Table S2), Fe(III) 
concentrations drastically decrease at pH around 3.5, whereas per
centages of Fe(II) in solution at that time reach values above 95 % which 
are maintained until all aqueous Fe(II) is removed from solution at pH 
higher than 6.5. In this case, geochemical modelling showed that the 
solutions are supersaturated with respect to green rust phases 
(Fe6(OH)12(SO4)) (Table S3). The minimum solubility of divalent metals 
requires higher pH values than for trivalent metals (Cortina et al., 2003) 
and this Fe(III)/Fe(II) partitioning has been previously described in 
other AMD titration experiments with alkaline reagents (Carrero et al., 
2015). 

Ferric iron removal is concomitant with the depletion of most of the 
As from solutions in the first buffer at pH between 2.5 and 4.0, even also 
in the case of the AMD sample from Riotinto where Fe precipitation 
occurs mainly at higher pH values associated with the Fe(II) buffer 
(Fig. 2). However, there seems to be an increase in the As concentration 
in solution at higher pH values. This increase is not so clear in the mixing 
experiments with AMD from Niebla or La Zarza where concentrations 
are very close to detection limit of ICP-MS due to a huge dilution; 
however, experimental As concentrations progressively increase with 
pH in the experiment with AMD from Gibraleón, reaching values even 
higher than those deduced from the theoretical mixing (Fig. 2). This 

increase in As concentration could be associated with a possible insta
bility of Fe(III) precipitates in the marine environment. On the other 
hand, Al precipitation from solution at pH between 4.5 and 6.0 could 
also remove other metals such as Cu in the experiments with AMD from 
Niebla, Gibraleón and La Zarza (Fig. 3). Surprisingly, Cu removal by Al 
precipitation does not occur in the experiment with AMD from Riotinto, 
which shows a conservative behaviour over the entire pH range. It seems 
that the oxidation state of the AMD from Riotinto with high Fe(II) ratios 
could also play a role on the mobility of Cu during estuarine mixing. The 
behaviour of As and Cu in relation to Fe(III) and Al precipitates, 
respectively, will be discussed in detail later once mineralogical char
acterisation of the buffer zones has been described. Along with Cu, 
removal of REY during the mixing also occurs almost concomitantly 
with the removal of Al (Fig. 3). 

Other contaminants such as S, Zn, Cd, Ni and Co show a conservative 
behaviour throughout the whole mixing experiments, i.e., their experi
mental concentrations can be deduced from the theoretical mixing of 
end-members since these elements does not participate in mineral pre
cipitation processes or their participation is negligible (Fig. 4). 

3.4. Newly-formed solid-phase characterisation 

The chemical analyses of the mixing solutions showed that major 
elements such as Fe and Al were largely removed from the solutions with 
increasing pH, implying that their concentrations decreased by precip
itation processes, buffering the pH. Thus, the characterisation of the 
newly-formed solids was required to provide a complete picture of the 
geochemical processes controlling contaminant mobility during mixing 
of AMD solutions with seawater. The XRD spectra revealed that newly- 
formed precipitates during the Fe(III) buffer correspond to schwert
mannite; whereas Al precipitates as basaluminite during the Al buffer. 

Fe
As

Niebla

Riotinto La Zarza

Fig. 2. Evolution of Fe and As percentages during addition of seawater to AMD from (a) Niebla, (b) Gibraleón, (c) Riotinto and (d) La Zarza. Percentages refer to the 
ratio between the experimental concentrations and the concentrations calculated from theoretical mixing of end-members (see Eq. (1)). 
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Al
Cu
REY

Niebla

Riotinto
La Zarza

Fig. 3. Evolution of Al and Cu percentages during addition of seawater to AMD from (a) Niebla, (b) Gibraleón, (c) Riotinto and (d) La Zarza. REY percentages were 
also shown in the experiments with AMD from (a) Niebla and (c) Riotinto. Percentages refer to the ratio between the experimental concentrations and the con
centrations calculated from theoretical mixing of end-members (see Eq. (1)). 

Legend:

Fig. 4. Correlation between the experimental concentrations and the concentrations calculated from theoretical mixing of end-members for all AMD samples. Red 
line represents the conservative behaviour, i.e., those elements plotting on the conservative line do not precipitate during acid neutralisation. (For interpretation of 
the references to colour in this figure legend, the reader is referred to the web version of this article.) 
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Both minerals are poorly crystalline as suggested by their typical XRD 
spectra shown in Fig. 5. Moreover, precipitation of these minerals is 
consistent with the nature of the phases suggested by the geochemical 
modelling with PHREEQC, being also the most stable phases governing 
hydrochemistry and mineralogy in AMD-affected river systems (Bigham 
et al., 1996; Nordstrom and Alpers, 1999). Accordingly, schwertmannite 
may control As mobility in solution, while basaluminite may control Cu 
and REY mobility. Precipitation of Fe(II) at pH higher than 6.0–7.5 in the 
mixing experiment with AMD from Riotinto may occur in the form of 
green rust as suggested by the modelling (Table S3). However, these 
precipitates are highly unstable and may transform to ferric oxy
hydroxide even during XRD analysis (Carrero et al., 2015). 

SEM-EDX images revealed that the newly-formed schwertmannite 
precipitates are submicrometric agglomerates of globular phases 
chemically composed of S and Fe (Fig. 6a). Some images reveal the 
typical hedgehog morphology of schwertmannite (Fig. 6b). Identifica
tion of other elements such as As in schwertmannite was not possible 
due likely to difficulties measuring concentrations close to the detection 
limit. On the other hand, SEM-EDX confirmed that basaluminite was 
present as micrometric particles composed of S and Al (Fig. 6c). Other 
metals such as Cu were detected together with Al in the basaluminite 
aggregates (Fig. 6d), supporting the similar chemical evolution during 
the mixing experiments, with removal of both elements within the same 
pH range (Fig. 4). The EDX spectra revealed lower concentration of S in 
relation to Fe and Al in schwertmannite and basaluminite (Fig. 6d), 
respectively, which is consistent with the chemical composition of both 
phases. This noticeably low amount of sulfate incorporated into the 
oxyhydroxysulfates, together with the high sulfate concentrations in the 
starting AMD solutions, would explain that sulfate behaves conserva
tively in solution despite the precipitation of these newly-formed phases 
during mixing. 

4. Environmental implications 

The precipitation sequence of schwertmannite (and its affinity for As 
at low pH values) followed by basaluminite (and its affinity for Cu and 
REY) as the pH increases by alkaline addition has been previously 
described both in mixing between acidic river and pristine waters 

(Lozano et al., 2020) and in treatment systems of acidic drainages 
(Macías et al., 2012; Orden et al., 2021). In this sequence, basaluminite 
precipitates at pH 4.5–6.0 when iron is totally removed from the solu
tion by previous schwertmannite precipitation at pH 2.5–4.0. Never
theless, iron concentrations in the AMD-affected fluvial courses from the 
IPB are so high that schwertmannite precipitation buffers the pH to low 
values and basaluminite precipitation in natural systems is consequently 
anecdotal. In fact, Al precipitation is only limited to punctual secondary 
courses where the pK of Al hydrolysis is triggered. On the contrary, a 
wide pH range is observed in the Estuary of Huelva and Al precipitation 
as basaluminite must be of greater importance than in fluvial systems. 
Although other phases of Al had been suggested in previous studies 
based exclusively on geochemical modelling of estuarine mixing (Asta 
et al., 2015), the results obtained in this study denote, for the first time, 
the importance of basaluminite precipitation in Al fluxes to oceans. On 
the other hand, other pollutants such as Zn, Cd, Co and Ni have a clearly 
conservative behaviour reaching open sea conditions dissolved in the 
water, being their concentration only affected by dilution. 

Arsenic adsorption capacity of schwertmannite depends mainly on 
the surface charge of the mineral, as discussed above. In acidic condi
tions schwertmannite surfaces are protonated and hence positively 
charged, whereas the main aqueous As species for the whole pH range is 
in the form of oxyanion (H2AsO4

− ) according to geochemical modelling 
with PHREEQC. Both aspects explain the high affinity of As for 
schwertmannite by adsorption. However, the schwertmannite surface is 
dehydroxylated and negatively charged in alkaline conditions. The pH 
at which the surface has an equal amount of positive and negative 
adsorption sites is called the point of zero charge. At pH values above the 
point of zero charge, schwertmannite surface becomes negatively 
charged and As desorption is expected. The change in the surface 
properties of schwertmannite precipitates with increasing pH may 
explain the increase in dissolved As concentrations during seawater 
addition, especially in the AMD sample from Gibraleón which contains 
high concentrations of suspended schwertmannite-rich material in the 
starting sample. Therefore, a part of the As that reaches the estuary is 
added to the conservative pollutants, i.e. S, Zn, Cd, Ni and Co, ending up 
in the Atlantic Ocean. 

Concerning basaluminite, its precipitation seems to play a 

Fe(III)-buffer: Schwertmannite

Al-buffer: basaluminite

Fig. 5. Representative XRD spectra revealing precipitation of schwertmannite in the Fe(III) buffer and basaluminite in the Al buffer.  
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fundamental role on the removal of Cu and REY. Nevertheless, the Cu 
and REY concentrations in the mixing experiments continue to decrease 
after Al is practically absent in solution (Fig. 3), suggesting that another 
retention mechanism such as minor precipitation of oxyhydroxides or 
fluorides cannot be ruled out (Ayora et al., 2016). It is remarkable that 
basaluminite seems to control the mobility of Cu only in Fe(III)-rich 
AMD solutions since Cu behaves conservatively despite aluminum pre
cipitation in Fe(II)-rich AMD solutions emerging under oxygen-limited 
conditions, as is the case of the AMD sample from Riotinto. This con
servative behaviour for Cu under oxygen-limited conditions could be 
related to its aqueous speciation. According to geochemical modelling, 
much of the Cu in solution during the mixing experiment with AMD of 
Riotinto over the whole pH range is found as Cu(I), mainly as CuCl3− 2. In 
this sense, Matocha et al. (2005) demonstrated that Cu(II) is rapidly 
reduced to Cu(I) in presence of Fe(II) under anoxic conditions in solu
tions with high Cl concentrations, which stabilizes Cu(I) in solution 
against mineral precipitation. The important role of reduced iron (Fe 
(II)) on reductive transformation and stabilization in solution of Cu 
would confirm the findings observed in the current study. This process 
may be important in estuarine marsh environments with high organic 
matter decomposition where high dissolved Fe(II) concentrations can 
accumulate (Pérez-López et al., 2018). Instead, Cu(II) is the majority 
species in the rest of experiments with Fe(III)-rich AMD solutions, which 
would explain its removal during basaluminite precipitation. 

This analysis of the behaviour of contaminants with increasing pH, 
simulating seawater mixing in the estuary, can be contrasted with earlier 
studies carried out in the coastal zone. For example, Spivack et al. 
(1983), Boyle et al. (1985) and Sherrell and Boyle (1988) reported the 
first observations on pollutant enrichment in the Gulf of Cadiz in the 
1980s during an oceanographic expedition organised by the Woods Hole 
Oceanographic Institution in Massachusetts. These authors concluded 
that the seawater of the Gulf of Cadiz shelf is particularly enriched in 
dissolved metal(loid)s, mainly Zn, Cd and As, compared to other coastal 
waters. It was originally thought that this enrichment was due to a 
process of upwelling from deep ocean areas as well as metal seques
tration in the Gulf of Cadiz (Van Geen et al., 1991). However, Elbaz- 
Poulichet and Leblanc (1996) were the first authors who, years later, 
established that the true source of the contaminants came from two 
secondary fluvial watercourses, Tinto and Odiel Rivers, and later 
confirmed this theory by detecting the anomaly in the ocean (Van Geen 
et al., 1997). These observations coincide with the results of the present 
investigation, which establishes a conservative behaviour for most of the 
contaminants from the AMD during estuarine mixing. This conservative 
behaviour would explain that these elements freely reach the Atlantic 
Ocean and are distributed throughout the Gulf of Cadiz due to ocean 
currents. 

Fig. 6. Representative SEM images of newly-formed precipitates collected during all mixing experiments: (a, b) schwertmannite in Fe(III) buffer, (c) basaluminite in 
Al buffer and (d) some EDX spectra of points of interest. 
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5. Conclusions 

Acid mine drainage (AMD) leachates from abandoned mining dis
tricts at the Iberian Pyrite Belt (IPB) discharges, up to day, directly into 
the Estuary of Huelva (SW Spain) via the Tinto and Odiel Rivers. 
Different geochemical processes alter the concentrations and influence 
the mobility of the contaminants contained in the AMD during mixing 
with alkaline seawater. The current research reports two main conclu
sions through experimental and theoretical simulations of mixing of 
AMD with seawater: a) the high acidity of the AMD hinders the rise of 
the pH requiring enormous amounts of seawater to achieve circum
neutral pH values, and b) most of the potentially toxic contaminants 
including Zn, Cd, Ni, Co and S behave conservatively, whereas Fe and Al 
decrease significantly with increasing pH by sequential precipitation of 
first schwertmannite followed by basaluminite. Arsenic participates in 
sorption processes in schwertmannite, whereas Cu and REY are removed 
by basaluminite. However, the change in the surface properties of 
schwertmannite at higher pH values could lead to the instability and 
release of As, being a sink in acidic conditions but a source of contam
ination when the newly-formed precipitates reach the marine condi
tions. Our findings have provided important insight into the problematic 
of the AMD worldwide and, more importantly, into the pollution of the 
Estuary of Huelva by mining contaminants. The potentially toxic ele
ments that remain mobile after reaching the estuary, finally end up to 
the Atlantic Ocean contributing significantly to the total pollutant loads 
and threatening the environmental conditions of coastal areas. It is, 
therefore, urgent to adopt effective restoration measures to minimize the 
impact of the AMD discharges on the estuarine environment and sub
sequently on the Atlantic Ocean, as well as of other mining districts 
worldwide where AMD streams reach coastal regions. 

CRediT authorship contribution statement 
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