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Figure 1. Esquema del FBR-photoreactor a escala piloto empleado para los experimentos fotocatalíticos y de 2 
adsorción para la eliminación de anilina y benzotiazol de las aguas residuales industriales. 3 
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Kinetic modelling 
for concentration and toxicity 
changes during the oxidation 
of 4‑chlorophenol by UV/H2O2
Cristian Ferreiro1*, Josu Sanz2, Natalia Villota3, Ana de Luis4 & José Ignacio Lombraña1

This work develops a kinetic model that allow to predict the water toxicity and the main degradation 
products concentration of aqueous solutions containing 4‑chlorophenol oxidised by UV/H2O2. 
The kinetic model was developed grouping degradation products of similar toxicological nature: 
aromatics (hydroquinone, benzoquinone, 4‑chlorocatechol and catechol), aliphatics (succinic, 
fumaric, maleic and malonic acids) and mineralised compounds (oxalic, acetic and formic acids). 
The degradation of each group versus time was described as a mathematical function of the rate 
constant of a second‑order reaction involving the hydroxyl radical, the quantum yield of lump, the 
concentration of the hydroxyl radicals and the intensity of the emitted UV radiation. The photolytic 
and kinetic parameters characterising each lump were adjusted by experimental assays. The kinetic, 
mass balance and toxicity equations were solved using the Berkeley Madonna numerical calculation 
tool. Results showed that 4‑chlorophenol would be completely removed during the first hour of the 
reaction, operating with oxidant molar ratios higher than R = 200 at pH  6.0 and UV = 24 W. Under 
these conditions, a decrease in the rate of total organic carbon (TOC) removal close to 50% from the 
initial value was observed. The solution colour, attributed to the presence of oxidation products as 
p‑benzoquinone and hydroquinone, were oxidised to colourless species, that resulted in a decrease in 
the toxicity of the solutions (9.95 TU) and the aromaticity lost.

List of symbols
Agitation  Stirring power, rpm
C0  Initial concentration of 4-chlorophenol, mol  L−1

Cexp  Concentration of a compound or lump i measured experimentally, mol  L−1

Ci  Concentration of each lump i, mol  L−1

Cj  Concentration of a given compound present in solution, mol  L−1

CHO·  Concentration of hydroxyl radicals, mol  L−1

Colour0  Initial colouration was attributed to the 4-chlorophenol in solution, AU
Csim  Concentration of a compound or lump i obtained from the model, mol  L−1

CTOC  Concentration of total organic carbon, mol  L−1

EC50  Half maximal effective concentration, mol  L−1

EC50i  Average half maximal effective concentration, mol  L−1

EC50i exp  Experimentally determined average half maximal effective concentration, mol  L−1

Fi  Fraction of UV radiation absorbed by compounds of lump i, dimensionless
I0  Intensity of the emitted UV radiation, Einstein  min−1

IC50  Half maximal inhibitory concentration, mol  L−1
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k’1, k’2, k’3, k’4 and k’5  Pseudo-first-order kinetic constant of each lump,  s−1

ki  Zero-order kinetic constant (oxidation),  s−1  mol−1 L
ki  Second order kinetic constant,  s−1 L  mol−1

L  Effective path length of the photoreactor, m
N  Number of experimental values
R  Peroxide/4-chlorophenol molar ratio, dimensionless
t  Time, s
T  Temperature, ℃
Toxicity  Toxicity, TU
Vreac  Volume of dissolution, L

Greeks
ε  Molar extinction coefficient,  M−1  m−1

α  Fraction of all photolytically degraded 4-chlorophenol (group  B1)
σ  Weighted standard deviation
Φi  Quantum yield for lump i, mol  Einstein-1

Subscripts
0  Refers to a time or initial state
A  Refers to the lump formed by 4-chlorophenol
B1  Refers to the lump formed by hydroquinone, p-benzoquinone and other unknown 

that are more toxic than 4-chlorophenol
B2  Refers to the lump formed by 4-chlorocatechol, catechol, and other unknown com-

pounds that are less toxic than 4-chlorophenol
C  Refers to the lump formed by formic acid, acetic acid, oxalic acid, and other com-

pounds of similar nature
D  Refers to the lump formed by  CO2 and  H2O
exp  Refers to an experimentally obtained parameter
i  Refers to a certain lump i
j  Refers to the different compounds present in the solution
sim  Refers to a parameter obtained from the kinetic model

Chlorophenols are catalogued as one of the priority pollutants (Clean Water Act and by European Directive 
2013/39/EU) according to the United States Environmental Protection Agency (US EPA)1–3 because they are 
toxic and potentially carcinogenic  compounds2. They are considerate one of the most important classes of water 
contaminants due to they are difficult to remove from the  environment2–5 and they can appear in drinking water 
when hypochlorite reacts during water  disinfection4. Thus, they are of great concern.

It have been selected 4-chlorophenol as the representative member of this family of harmful compounds. 
Levels of 4-chlorophenol have been reported as ranging from 150 µg  L−16 to 100–200 mg  L−17,8 in contaminated 
environments. 10,11.

Advanced oxidation processes (AOPs) could help in the effective removal of these recalcitrant compounds 
from  wastewater9–11. However, the cost-inefficiency of these methods limits the practical application of these 
 technologies12,13. Moreover, persistent byproducts produced during the oxidation process can be released into 
the  environment14,15. Thus, AOPs may be made suitable for industrial applications, if they are adequately inte-
grated with the biological processes by combined treatments. Thus, the complete removal of water pollutants by 
AOPs could be combined by more environment friendly treatments leading easily biodegradable species. This 
propose considers that the biological oxidation process could be the last step into a combined oxidation process 
that results in the complete oxidation of organic  load16,17.

Thus, it is important to develop models that can predict the toxicities of treated solutions for developing 
integration strategies involving AOPs and biological processes. This tool can be used for the determination of 
the operating conditions necessary to reduce the toxicity of the system. In this way, it is possible to achieved a 
water toxicity level that allow the implantation of biological processes where occur the complete degradation of 
the remaining pollutant load, developing in this way, a cost-effective, integrated wastewater treatment method.

The photochemical degradation of chlorophenols is a well documented process (see Supplementary Table S1). 
Çatalkaya et al.18 reported that the UV/H2O2 process could effectively reduce the toxicity of the system. This 
process can also improve biodegradability, decrease the intensity of the colour, and assist in the removal of 
micropollutants. The use of UV/H2O2 is more advantageous than semiconductor photocatalysis due to economic 
and feasible to implement in an industrial installation. Moreover, the use of a catalyst can lead to some operation 
problems such as solids management, separation and contamination in the treated water. Other effects such as 
screening, caused by the presence of suspended solids in industrial wastewaters would lead to a reduction of 
the efficiency of UV light.

The photolytic decomposition via bond cleavage occurs via a radical mechanism. The hydroxyl radicals (in 
the presence of oxidants such as  H2O2) take part in the process as  follows19,20:

(1)H2O2
hv
−→ 2HO·.
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The decomposition of  H2O2 can be photoinduced by the Haber–Weiss radical mechanism. The propagation 
steps are as follows:

Finally, different termination reactions take place through radical recombination reactions:

At the same time, dissociation equilibria of the organic compound itself and of the various intermediates 
formed, such as hydroxyl, hydroperoxide radicals, etc., according to the following:

Like other phenolic compounds, chlorophenols could be degraded to toxic byproducts during the initial 
stages of the oxidation  pathway3,21, checking that the oxidation intermediates generated could be more toxic than 
the own parent pollutant (for example quinone like compounds). The formation of these byproducts could be 
attributed to direct photolysis or the use of low oxidant  dosages22,23. Then, the efficiency of the oxidant process 
is generally determined by recording the oxidant dosage per pollutant load containing water. Thus, special atten-
tion should be paid to remove completely these toxic intermediates achieving acceptable water quality  levels24. 
Consequently, it is necessary operating with excess of oxidant ratios (or an over stoichiometric addition of the 
oxidant) to avoid the formation of these refractory intermediates, considering that high amounts of oxidant can 
produce counter-effects leading to increased treatment costs. In this way, the cost-effectiveness of degradation 
process could be realised by optimising the amount of oxidant to reduce the wastewater toxicity.

Thus, the aim of this work consist of developing a kinetic model based on the oxidant dosage effect allow to 
predict the toxicity of 4-chlorophenol aqueous solutions oxidised by UV/H2O2. Consequently, the water toxicity 
and the formation of the different reaction intermediates were analysed during the oxidation of 4-chlorophenol. 
The kinetic model developed grouping three lumps of degradation byproducts as a function of their toxicity 
degree. The photolytic and kinetic parameters characterising each lump were adjusted in the proposed oxida-
tion assays, obtaining a kinetic model that predict the water toxicity as a function of oxidant dose and the UV 
exposure time.

Results and discussion
Effect of oxidant dosage on water‑quality parameters. Several experiments of 4-chlorophenol oxi-
dation by  H2O2/UV were carried out at pH 6.0, varying the molar ratios of hydrogen peroxide to 4-chlorophenol 
between R = 0–400 mol  H2O2 /mol 4-chlorophenol. The objective was to analyse the effect of the oxidant in the 
oxidation process, where the parameters considered as water quality indicators were the pollutant concentration 
(C, mg  L−1), total organic carbon (TOC, mg  L−1), colour (AU) and loss of aromaticity (AU).

Figure 1a shows that 4-chlorophenol would be completely removed from the system, during the first hour 
from the start of the reaction, operating with oxidant molar ratios higher than R = 200. Under these conditions, 
a decrease in the rate of TOC removal close to 50% from the initial value was observed (Fig. 1b). These results 
agrees well with the results (R values in the range of 150–375) reported by Ec et al.25. Operating under conditions 
of lower hydrogen peroxide concentration (R < 200), an insufficient amount of hydroxyl radicals is generated, 
being the photolytic pathway that dominates the radical  pathway26. As the molar ratio of  H2O2 to 4-chlorophenol 
increases, large amounts of the oxidant radicals are generated that assists the effective degradation of 4-chlo-
rophenol. With the dose ratio of  H2O2 used in this work, as shown in Fig. 1, primary degradation (100%) and 
mineralisation rate (45% of TOC removal) are achieved, in the same order of variety advanced oxidation tech-
niques, including heterogeneous photocatalytic variants; i.e. with  heterojunction27,28 and hybrid  biomaterials29.

Under conditions of high reactant doses (R > 200), hydroxyl radicals were produced in large amounts. The 
excess  H2O2 was converted into the hydroperoxyl radical, which exhibits less oxidative power than the hydroxyl 
radical (Eqs. 2, 7, 8). Additionally, the excess of peroxide was consumed by water and recombination  reactions30. 
The solution colour changes during the degradation of 4-chlorophenol (Fig. 1c). Different water colours (pur-
plish-red, reddish-orange, orange, yellow, red-brown, and light yellow) of 4-chlorophenol aqueous solutions 
oxidised by AOPs have been previously  reported23,31, checking that water colour could be attributed to the pres-
ence of degradation by products generated during the oxidation process. The analyses carried out showed that 
the main by products formed during the oxidation pathways would be p-benzoquinone and  hydroquinone32. 
The presence of these species would demonstrate that the colour formation is due to the formation of new 
chromophore groups in benzene rings, causing the generation of quinones and their  derivatives33. Operating at 
R = 200, colour compounds were oxidized to colourless species, remaining in minor amounts, that resulted in a 
decrease in the toxicity of the solutions.

(2)H2O2+ HO·
→ H2O + HO·

2,

(3)HO·

2+ H2O2 → H2O + O2+ HO·.

(4)HO·
+HO·

→ H2O2,

(5)HO·
+HO·

2 → H2O + O2,

(6)HO·

2+ HO·

2 → H2O2+ O2.

(7)H2O2 → HO−

2 + H+,

(8)HO·

2 → H+ + O−

2 .
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The decreased in the loss of aromaticity, analysed at 254 nm, described in Fig. 1d could be attributed to the 
rupture of the aromatic rings and could indicate the degradation of the aromatic compounds. The loss of aro-
maticity decreases when R = 200, checking that the aromatic rings ruptured and chromophore groups degraded 
resulting in more favourable oxidation conditions.

Degradation pathway of 4‑chlorophenol. Prior to the development of the kinetic model, the pollut-
ant degradation compounds were analysed. Figure 2 shows the degradation of 4-chlorophenol, as well as the 
formation of their main oxidation intermediates. Results show that the oxidation of 4-chlorophenol leads to 
the formation of intermediate species of aromatic nature such as 4-chlorocatechol, catechol, hydroquinone and 
p-benzoquinone, as well as the formation of aliphatic species, such as maleic, fumaric, formic and acetic acids. 
The results obtained allow to verify that the action of UV light is capable of degrading the 4-chlorophenol rings 
to dihydroxylated rings (Fig. 2a). However, UV light did not prove effectiveness during the degradation of dihy-
droxylated intermediates to quinone-like compounds and carboxylic acids (Fig. 2b).

Thus, with the aim of degrade 4-chlorophenol until achieve higher oxidation levels, it is necessary to combine 
UV light with the action of an oxidant (hydrogen peroxide). Figure 1c,e show that the main degradation pathway 
of 4-chlorophenol evolves towards the formation of chlorosubstituted intermediates (chlorocatechol). On the 
other hand, once the aromatic intermediates have been degraded until carboxylic acids, it can be checked that 
using oxidant ratios of R = 200, 4-chlorophenol was completely degraded until formic acid.

The analysis performed suggests two possible reaction  pathways34. In the first, the hydroxyl radicals attacks 
the aromatic rings in the ortho-substituted position, and displaces hydrogen, which promotes the formation of 
4-chlorocatechol. In the second, the attack of hydroxyl radicals can occur in the para-substituted position, which 
cause the displacement and substitution of the chloride ion, causing the formation of hydroquinone, which is 
oxidised to benzoquinone (see Fig. 3).

Kinetic modelling of the reaction intermediates pathway. Determination of the reaction kinetics 
of such complex oxidation processes can be simplified using a lumped model where all the species exhibiting 
similar characteristics are grouped. Thus, each group was regarded as a unique  compound35. The contributions 
of different oxidation intermediates towards the total toxicity of the system depend on their individual toxicities. 
Then, all the oxidation intermediates do not contribute equally to the total toxicity of the system. The oxidation 
by products are grouped into five main groups based on their toxicity. The lumped model was constructed fol-
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Figure 1.  Study of the effect of peroxide dose during the UV/H2O2 oxidation of 4-chlorophenol. (a) Primary 
oxidation of 4-chlorophenol; (b) Mineralisation; (c) Colour induction; (d) Aromatic ring rupture. Experimental 
conditions: T = 25 ºC; C0 = 200 mg  L−1; pH = 6.0; Agitation = 700 rpm; Vreac = 1.7 L.
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lowing previously reported  protocols24. The mechanisms proposed by Kusic et al.36 and Gomez et al.3 have been 
presented in Fig. 4.

A common photolytic process forms the basis of the first stage of the oxidation process (4-chlorophenol 
oxidation; assigned as A). Direct photolysis promotes hydroxylation and dechlorination reactions. The highly 
toxic p-benzoquinone (EC50 = 0.035 mg  L−1) and/or hydroquinone (EC50 = 0.088 mg  L−1)  intermediates37, and 
comparatively less toxic 1,2,4-trihydroxybenzene (EC50 = 1.03 mg  L−1) and/or resorcinol (EC50 = 9.02 mg  L−1) 
were produced in small  amounts35.

The hydroxyl radicals turned the oxidation process via another oxidation pathway that results in the formation 
of other substances like hydroquinone. Chlorinated compounds and p-benzoquinone were also formed during 
the process. Aromatic compounds of varying toxicities were formed in the first step of the oxidation process. 
Group  B1 consists of p-benzoquinone and hydroquinone. These compounds are believed to contribute the most 
maximum towards the global toxicity of treated wastewater as these compounds are  abundant24. Several research-
ers have reported that condensation products were formed within minutes (from the start of the reaction) in 
the absence of oxidants (or under conditions of oxidant deficiency). The majority of the by products formed, 
were two-ring aromatic chlorinated compounds such as chlorinated hydroxylated biphenyls, dichlorodiphenyl 
ethers, and dichlorodibenzodioxins. These chlorinated compounds significantly raise the toxicity of the  system22. 
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Figure 2.  Analysis of the main degradation intermediates (left: aromatic compounds; right: aliphatic oxidation 
products) produced during the oxidation of 4-chlorophenol (UV/H2O2 process) under different peroxide 
doses: (a)/(b) R = 0 ; (c)/(d) R = 2; (e)/(f) R = 200. Experimental conditions: T = 25 ℃; C0 = 200 mg  L−1; pH = 6.0; 
Agitation = 700 rpm; Vreac = 1.7 L.
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In this case, water appeared yellow–brown, indicating the presence of these chromophoric toxic compounds 
with high molecular  weight32.

The aromatic 4-chlorocatechol and catechol compounds formed as by products via the radical pathway 
are members of the  B2 group. These compounds are less toxic than the parent compounds. In the next step of 
oxidation, aromatic compounds were converted to unsaturated acids (fumaric acid and maleic acid) that are 
subsequently converted to saturated carboxylic acids (formic acid and acetic acid). Among these, formic acid, 

Figure 3.  Proposed oxidation pathway for the oxidation of 4-chlorophenol via UV/H2O2 process.

Figure 4.  Proposed parallel reaction model for the oxidation of 4-chlorophenol using the UV/H2O2 technology.
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acetic acid, fumaric acid, and maleic acid are members of group C. The constituents of this group were less toxic 
than the constituents of the previously described groups. Further oxidation results in  CO2 mineralisation and 
formation of water (group D)36,38.

The change in the concentrations of the species of each group over time and the variation in toxicity over 
time can be determined using a kinetic model. The model was proposed by studying the reaction mechanism 
presented in Fig. 4. Various factors were considered for developing the kinetic model:

• Three groups (lumps) of oxidation intermediates  (B1,  B2, and C) were defined. Group  B1 primarily consisted 
of hydroquinone, p-benzoquinone, and some unknown compounds (of similar structure) that exhibited high 
 toxicity24. Groups  B2 and C consisted of compounds that exhibited lower toxicity levels. The toxicity levels 
and the constituents were experimentally determined. Group  B2 consisted of 4-chlorocatechol and catechol 
and group C consisted of various carboxylic acids (acetic acid, oxalic acid, formic acid, succinic acid, malonic 
acid, maleic acid, and fumaric acid).

• The degradation of 4-chlorophenol proceeds via a two ways parallel reaction mechanism. The mechanism 
has been previously reported by Azevedo et al.39 (Fig. 4).  B1 and  B2 are the reference lumps of each route.

• The degradation of each group proceeds via the photolytic (zero-order kinetic (ki)) and radical (pseudo-first-
order kinetic (k’i)) pathways.

• The average toxicity (EC50), photolytic parameters, and kinetics constants have been determined for each 
lump. The experimentally obtained values of toxicity and concentration were fitted using the appropriate 
analysis model.

The degradation of each group versus time is described by Eq. (9), which considers the contributions of the 
direct photolysis and hydroxyl-radical attack  processes3,35,40. The relation can be expressed as follows:

where ki is the rate constant of a second-order reaction involving the hydroxyl radical in group i, Φi denotes the 
quantum yield of lump i, CHO· denotes the concentration of the hydroxyl radicals, and I0 represents the intensity 
of the emitted UV radiation. Fi (incident radiation) denotes the radiation absorbed partially by each group. This 
can be expressed by Eq. (10) as follows:

Equation (9) could be simplified if it was assumed that the reaction between hydroxyl radicals and 4-chloro-
phenol is a pseudo-first-order reaction (k’i)19,41. Under this condition, mass balance equations can be formulated 
for 4-chlorophenol (group A). The other four degradation products are grouped (groups  B1,  B2, C, and D) based 
on the total organic carbon (TOC) values. The simplified equations can be expressed as follows:

where α denotes the photolytically degraded fraction of 4-chlorophenol to group  B1 and Ci denotes the con-
centration of each lump i. The change in toxicity over time can be predicted by studying the toxicities exhibited 
by each lump. The concentration at any given time and the average toxicity of each group was predicted by 
preliminary calculations and validated from results reported in the literature (Table 1). Group D was excluded 
from the calculations as mineralised  CO2 and water were present in the system. It did not contributed to the 
overall toxicity of the system. Toxicity was determined by Eq. (17), which was derived from Eq. (19). The equa-
tion derived to determine the toxicity of the system takes into account the fraction of unknown compounds 
belonging to group  B1. The following equation was proposed to determine the toxicity of the system based on 
the above  assumptions24:

(9)−
dCi

dt
= I0 ×�i × Fi ×

(

1− exp
(

−2.303× L×

∑

(

εj × Cj

)

))

+ ki × Ci × CHO· ,

(10)Fi =

∑
(

εj × Cj

)

i
∑

εj × Cj
.

(11)
dCA

dt
= −IA ×�A × FA − k′1 × CA − k′2 × CA,

(12)−
dCB1

dt
= α × IA ×�A × FA − IB1 ×�B1 × FB1 + k′1 × CA − k′3 × CB1 ,

(13)−
dCB2

dt
= (1− α)× IA ×�A × FA − IB2 ×�B2 × FB2 + k′2 × CA − k′4 × CB2 ,

(14)−
dCC

dt
= IB1 ×�B1 ×FB1 + IB2 ×�B2 ×FB2 − IC×�C×FC+ k′3×CB1 + k′4×CB2 − k′5×CC,

(15)−
dCD

dt
= IC ×�C × FC + k′5 × CC,

(16)−
dCTOC

dt
= k′1 × CA + k′2 × CB1 + k′3 × CB2 + k′4 × CC + k′5 × CD,
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Validation of the kinetic model. The model proposed was based on the lumped mechanism described 
by Kusic et al.36 and Li et al.45. The kinetic, mass balance, and toxicity equations were solved using the Berkeley 
Madonna numerical calculation tool (Eqs. 10–17). The change in the concentration of each lump over time was 
determined using this method.

The simultaneous fitting of experimental and simulated data helped to determine the simulated photolytic, 
kinetic, and toxicity values of each lump. The determination of these values and the EC50 values of the compounds 
can potentially help to predict the toxicity of wastewater during the UV/H2O2 treatment process, carried out 
under different operational conditions. The adjustment minimises the sum of squared residuals. The goodness 
of fit was determined by calculating the weighted standard deviation, σ, given by Eq. (18) as  follows30:

where N was the number of experimental values and Cexp and Csim denote the concentration (of the compound 
or lump (i) determined experimentally and the concentration determined using the model, respectively. The 
data obtained from the direct photolysis experiments (R = 0) were used to determine the values of the photo-
lytic parameters (quantum yield and extinction coefficient). The process of direct photolysis only affects the 
rate of disappearance of each lump. The photolytic contribution can be determined from the Lambert–Beer 
law. The initial values of the quantum yield (Φ) and extinction coefficient (ε) were presented in Table 1. After 
determining the photolytic parameters (Table 2), the experimental data were modelled in the presence of  H2O2 
to determine the values of the pseudo-first-order rate constants (k’1, k’2, k’3, k’4, and k’5). The constants can be 
estimated by studying the reactions between the hydroxyl radicals and the lumps (except D; Eqs. 11–14). For 
the direct photolysis process (R = 0), the zero-order kinetic constants (ki) and the condition of total mass balance 
(Eq. 16) were considered for determining the experimental and theoretical concentrations of each group. The 
simulated constants were presented in Table 2. Following this, it was determined if the EC50i sim values of each 
group (obtained by fitting the simulated toxicity data) agreed well with the experimentally obtained EC50i exp 
values of each lump. The initial EC50i values were determined using the EC50 values of the individual species 

(17)−
dToxicity

dt
= k′1 ×

CA

EC50A

+ k′2 ×

(

CB1

EC50B1

+
CB1unk

EC50B1

)

+ k′3 ×
CB2

EC50B2

+ k′4 ×
CC

EC50C

(18)
σ =

√

√

√

√

√

N
∑

i=1

(

Cexp−Csim

Cexp

)2

N − 1
,

Table 1.  Toxicity and photolytic properties of individual and grouped substances produced during the 
oxidation of 4-chlorophenol (UV/H2O2 oxidation mechanism)36,38,42–44.

Substance group Compound

EC50 (mg  L−1) ε  (M−1  cm−1) Φ (mol  Einstein−1)

Individual Lump Individual Lump Individual Lump

A 4-chlorophenol 5.654 5.654 510.0 510.0 0.017 0.017

B1
Hydroquinone 0.088

0.0615
307.2

2044.9
0.047

0.025
p-benzoquinone 0.035 13,612.0 0.025

B2
4-chlorocatechol 5.932

6.892
381.3 0.057

0.0024
Catechol 7.853 504.1 0.0001

C

Maleic acid 3.852

63.154

769.9

1172.0

0.048

0.0351

Fumaric acid 15.79 894.0 0.063

Malonic acid 12.28 697.0 0.27

Oxalic acid 817.2 630.9 0.15

Acetic acid 273.2 3159.2 0.028

Formic acid 235.6 504.1 0.006

Succinic acid 102.0 6300.0 0.0032

Table 2.  Photolytic and toxicity properties determined using the proposed toxicity—kinetic model. 
Experimental conditions: T = 25 ℃; C0 = 200 mg  L−1; pH = 6.0; Agitation = 700 rpm; Vreac = 1.7 L.

Group ε  (M−1  cm−1) Φ (mol  Einstein−1) EC50 (mg  L−1)

A 409 0.022 4.068

B1 480 0.015 0.075

B2 325 0.007 6.240

C 1485 0.005 73.300

D – – –
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reported in the  literature36,38,42–44. The values obtained from literature reports have been presented in Table 1. It 
is worth mentioning that the toxicities exhibited by the substances (belonging to the same group) were similar 
(EC50 values of the same order of magnitude). This was the primary criterion of lumped modelling.

High quantum yields were recorded for groups A and  B1 (0.022 and 0.015 mol  Einstein−1, respectively; 
Table 2). The data revealed that 4-chlorophenol could be easily degraded by the process of direct  photolysis41. 
The branch mechanism is favoured when the photolytic pathway is the predominant mechanistic pathway. It 
was observed that a satisfactory adjustment between the simulated and experimental results could be achieved 
(σ ≅ 0.05) if a quantum yield value (for the reaction involving the photolysis of 4-chlorophenol), that is close to 
that reported by Pera-Titus et al.46 is used for the calculations. The quantum yield recorded for group C (Φ = 
0.005 mol  Einstein−1), which consists of aliphatic compounds, agreed well with the quantum yield reported by 
Kralik et al. for the same  group40.

As mentioned before, the theoretical toxicity of each group was represented as a function of the EC50 values 
of the identified species. The Microtox toxicity bioassay was used to determine the values presented in Table 2. 
The experimentally determined values were compared with the values presented in the literature (Table 1).

Table 3 presents the values of the kinetic constants determined using the proposed kinetic model. The value 
of α (the coefficient that correlates the production of substances (by photolytically degrading A) belonging to 
group  B1 to the compounds belonging to group  B2) was found to be 0.37. It must be remembered that the models 
comprised of compounds that exhibited similar toxicological properties. Group  B1 comprised of all unknown 
aromatic compounds.

The results reveal that in the absence of oxidants, the highly toxic compounds, such as double-ringed chlorin-
ated compounds (except p-benzoquinone and hydroquinone), were  produced47. This was because, during the 
photolytic oxidation process, the formation of hydroquinone or p-benzoquinone was favoured over the forma-
tion of 4-chlorocatechol36. The experimental results presented in Table 3 validate this result. The coefficient α, 
determined using the simulation method, helps in understanding the nature of the unidentified products. The 
value of α (0.37) indicates that under these conditions, oxidation products that were more toxic than the parent 
pollutants were formed. Among all the identified compounds, hydroquinone was found to be present in the 
highest  amount48. On the other hand, the value of this fraction decreased to 0.16 (at R = 200) when experiments 
were carried out in the presence of  H2O2.

The values of the kinetic constants indicate that k1 (2.12 ×  10–5   s−1  mol  L−1) was higher than k2 
(0.99 ×  10–5  s−1 mol  L−1) (under conditions of all oxidant dosages). The differences between k’1 and k’2 increased 
as the peroxide concentration increases. At conditions of R = 200, this difference increaseed by two orders of 
magnitude (k’2 = 1.25 ×  10–3  s−1 versus k’3 = 1.23 ×  10–4  s−1; Table 3). These results reveal that the radical pathway 
promotes the formation of the constituents of group  B2 (over the constituents of group  B1). This result has been 
previously reported by other  groups35,40,49. It has been hypothesised that when the oxidation reaction occurs 
in the presence of hydroxyl radicals, the hydroxylation reaction was favoured over the chlorination reaction. 
This was because the para-position of chlorophenol is highly susceptible to attack during the direct photolysis 
reactions. The photoreactivity of the chlorine atom is higher than that of the hydroxyl group. In the presence of 
peroxides, chlorophenols react rapidly under conditions of UV  radiation41.

Under maximum dosage conditions, a large amount of 4-chlorocatechol was degraded and less amounts of 
p-benzoquinone (or hydroquinone) was produced. Similar results were obtained when the k’1 values at differ-
ent  H2O2 dosages were compared with each other. The value of k’1 increased as the value of R increase (from 

Table 3.  Kinetic parameters predicted using the proposed toxicity—kinetic model at different  H2O2/4-
chlorophenol ratios. Experimental conditions: T = 25 ℃; C0 = 200 mg  L−1; pH = 6.0; Agitation = 700 rpm; 
Vreac = 1.7 L.

Parameter UV alone process

k1  (s−1 mol  L−1) 2.12 ×  10–5

k2  (s−1 mol  L−1) 0.99 ×  10–5

k3  (s−1 mol  L−1) 1.30 ×  10–5

k4  (s−1 mol  L−1) 4.64 ×  10–5

k5  (s−1 mol  L−1) 1.48 ×  10–5

α 0.37

σ 0.054

UV/H2O2 process

R = 2 R = 20 R = 200 R = 400

k’1  (s−1) 2.46 ×  10–5 1.51 ×  10–4 6.87 ×  10–4 2.05 ×  10–4

k’2  (s−1) 1.07 ×  10–5 1.16 ×  10–3 1.25 ×  10–3 1.19 ×  10–3

k’3  (s−1) 1.54 ×  10–5 5.83 ×  10–5 1.23 ×  10–4 8.56 ×  10–5

k’4  (s−1) 4.96 ×  10–5 1.65 ×  10–4 1.14 ×  10–3 4.44 ×  10–4

k’5  (s−1) 1.67 ×  10–5 4.50 ×  10–5 9.10 ×  10–5 6.82 ×  10–5

α 0.35 0.21 0.16 0.19

σ 0.057 0.043 0.052 0.049
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R = 2 (2.46 ×  10–5  s−1) to R = 20 (1.51 ×  10–4  s−1)). A slight drop in value was observed when R was in the range 
of 200–400 (R = 200 (6.87 ×  10–4  s−1); R = 400 (2.05 ×  10–4  s−1)). The amount of hydroxyl radicals present in the 
media (R ˃200) hindered the production of the compounds constituting group  B1. Simultaneously, the formation 
of the compounds constituting group  B2 was promoted (Fig. 5. The values of k’1 and k’2 indicated the efficiency 
with which 4-chlorophenol was degraded.

The results revealed that the values of the kinetic constants (k’1 and k’2) increase till R = 200 and become con-
stant thereafter. It was observed that the amounts of degraded compounds did not increase with the increase in 
the amount of oxidant under conditions of constant radical concentration. A lower concentration of the generated 
hydroxyl radicals under steady-state conditions did not promote the efficiency of the reaction. The oxidant dosage 
under these conditions was known as the critical dose. When the critical R-value was reached, an increase in the 
peroxide dosage can potentially hinder the oxidation reaction, as the excess hydroxyl radicals can potentially 
react with  H2O2 (scavenger reactions)1,18. Similar observations were made when the change in the concentration 
of 4-chlorophenol with time was experimentally studied under conditions of R = 20 (Fig. 5c) and 200 (Fig. 5d).

The critical dose under which the process of mineralisation or complete degradation was not promoted, 
was approximately 200 (R = 200). Although the reaction kinetics (direct oxidation of 4-chlorophenol) was not 
improved when the dosage was increased above 20, the analysis of the experimental results revealed that rate of 
mineralisation increased with the increase in the oxidant dosage. The concentration of the different oxidation 
products decreased at a higher rate under the experimental conditions. This was validated by the k’4 and k’5 
values determined by the simulation experiments (Table 3). The values of the constants k’4 and k’5 indicated that 
when the dose of  H2O2 was increased, the rate of mineralisation increased. This was reflected by the increase in 
the amounts of low molecular weight compounds (such as fumaric acid). The values of the constants k’1 and k’2, 
directly related to the primary degradation of p-chlorophenol, remained constant (R ≥ 20). However, the values 
of the other constants increased under similar conditions.

Aromatic compounds (constituents of groups  B1 and  B2) were the reactants in the second step of the oxida-
tion reaction. The rate of the final step (group D;  CO2 and  H2O) rapidly increased at R = 200. The critical R for 
mineralisation was reached at dosages ˃ 200, though the maximum amounts of the compounds that belong to 
group  B2 were formed within the first 20 min of the reaction. On the other hand, the amounts of compounds 
(carboxylic acids and low molecular weight compounds) constituting group C increased (Fig. 5d) till the first 
60 min. Following this, the amounts of the compounds decreased as hydroxyl radicals (generated from  H2O2) 
increased. These radicals could effectively react with these compounds to produce increased amounts of  CO2 
and  H2O (group D).

Figure 5.  Evolution of the dimensionless concentration of each lump during the oxidation of 4-chlorophenol. 
Data fitted to the kinetic model at different doses of  H2O2: (a) R = 0; (b) R = 2; (c) R = 20; (d) R = 200. 
Experimental conditions: T = 25 ℃; C0 = 200 mg  L−1; pH = 6.0; Agitation = 700 rpm; Vreac = 1.7 L.
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Figure 6 showed the change in toxicity over time, determined using the kinetic model, at four different doses 
of peroxide during the process of photolysis. Good fitting results were obtained and the mean standard deviation 
was approximately 0.057 (σ ≅ 0.057). The toxicity was found to increase during the first 20 min of the reaction. 
Compounds belonging to group  B1 (such as hydroquinone and p-benzoquinone) that were more toxic than 
4-chlorophenol were produced under these conditions. An increase in the dose of  H2O2 resulted in a decrease in 
the amounts of the compounds. The degradation compounds belonging to groups  B1 and  B2 were removed from 
the system under these conditions and by products (such as formic acid or fumaric acid) belonging to group C 
(less toxic compounds) were formed.

This increase in toxicity was also reported by Muñoz et al.22 and Karci et al.23 that they concluded that in the 
absence of oxidant or under conditions of inadequate oxidant dose, toxic substances (such as hydroquinone 
and p-benzoquinone) and condensation by products were formed. According to Ronco et al.50, a toxicity value 
of less than 1 TU indicated that the effluent was non-toxic or exhibited low toxicity. The values in the range of 
1–10 TU correspond to slightly toxic effluents. When the value ˃11 TU, the effluent was considered to be highly 
toxic. At R = 200, a value of 9.95 TU was recorded for the wastewater under study. This sample could be used for 
biodegradation. The degradation pathway led to the formation of the compounds constituting group  B1 under 
conditions of inadequate doses of oxidants. Under these conditions, the original wastewater sample was found 
to be more toxic and the chemical degradation pathway could not be complemented by a biological process.

Methods
Reagents. 4-Chlorophenol  (ClC6H4OH, Sigma-Aldrich, ≥ 99%), hydrogen peroxide  (H2O2, Labkem, 30%, 
(v/v)), hydrochloric acid (HCl, Sigma-Aldrich, 33%), sodium hydroxide (NaOH, Labkem, ≥ 97.0%), sodium 
sulfite  (Na2SO3, Sigma-Aldrich, 58.5%), ortho-phosphoric acid  (H3PO4, Merck, 85%), and HPLC-grade metha-
nol  (CH3OH, Acros Organics, > 99.99%) were used as received. The following were used as calibration stand-
ards: 4-chlorocatechol  (ClC6H3(OH)2, Sigma-Aldrich, 97%), hydroquinone (Supelco, certified reference mate-
rial), benzoquinone (Supelco, certified reference material), pyrocatechol (Fluka Chemika,  ≥ 99%), maleic acid 
 (HO2CCH=CHCO2H, Acros Organics,  ≥ 99%), fumaric acid (HOOCCH=CHCOOH, Fluka Chemika, 99.5%), 
and formic acid  (CH2O2, Acros Organics, 99.0%). Deionised water was collected from a Milli-Q water purifica-
tion unit supplied by Merck.

Analytical techniques. The intermediates produced during the oxidation of 4-chloropehnol were detected 
using the high-performance liquid chromatography (HPLC) technique. The Waters Alliance 2695 system 
(WATERS, Milford, CT, USA) equipped with the Waters 2487 Dual λ Absorbance Detector (Waters, Milford, CT, 
USA) was used for the same. An INERTSIL ODS-3 column (150 mm × 4.6 mm, 5 μm) (GL Sciences, Torrance, 
CA, USA) was used to detect 4-chlorophenol (CP) and 4-chlorocatechol (4Cl-CC). The methanol:water (30:70, 
v/v) solvent system buffered with o-H3PO4 at pH 3 was used as the mobile phase. The flow rate was maintained 
at 1.0 mL  min−1 and the sample volume was 1.0 µL. The analytes were detected at 280 nm. Other aromatic com-
pounds such as hydroquinone (HQ), benzoquinone (BQ), and pyrocatechol (CC) were detected under the same 
conditions. The methanol:water (20:80, v/v) solvent system was used as the mobile phase for eluting the aromatic 
compounds. The experiments to detect BQ were carried out at a wavelength of 245 nm.

The aliphatic substances (maleic acid, fumaric acid, acetic acid, and formic acid) were separated on the 
INERTSIL ODS-4 column (250 mm × 4.6 mm, 5 μm) (GL SCIENCES, Torrance, CA, USA). The mobile phase 
consisted of  (NH4)2HPO4 (20 mM) at pH 2. The compounds were detected at a wavelength of 214 nm. The flow 
rate was maintained at 1.0 mL  min−1.

Figure 6.  Prediction of the toxicity of the mixture during the oxidation of 4-chlorophenol (UV/H2O2 process) 
varying  H2O2 dose.
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The concentration of unreacted  H2O2 was determined spectrophotometrically at 420 nm, following the pro-
cedure outlined by  Eisenberg51. The variation in the colour intensity was determined by recording the absorb-
ance at 455  nm52. The rupture of the aromatic ring was detected by recording the absorbance of the sample at 
254 nm using the PerkinElmer Lambda 10 UV/Vis spectrophotometer (Perkinelmer España, Madrid, Spain)9. 
The extent of oxidation was determined as the difference of the initial and final total organic carbon (TOC) 
using the Shimadzu TOC-VCSN analyser (Izasa Scientific, Alcobendas, Spain) to determine the efficiency of 
the water treatment process.

The variation in toxicity over time was determined by conducting a MICROTOX toxicity test (ISO 11348-3 
(1998); Water Quality—Determination of the inhibitory effect of water samples on the light emission of Aliivibrio 
fischeri (Luminescent bacteria test)—Part 3: Method using freeze-dried  bacteria53) using a Microtox SDY 500 
Analyzer (Microbics Corp., New Castle, DE, USA). The reported method takes into account the changes in the 
luminescence emission of the luminescent Aliivibrio fischeri bacteria when it was exposed to toxic compounds. 
Toxicity values were expressed in terms of their inhibitory concentration (IC50) or variant effective concentra-
tion (EC50) (from the initial concentration of the pollutant (Ci); the dilution necessary to reduce 50% the initial 
luminescence of the bacteria). These were most commonly expressed in toxicity units (TU) as follows (Eq. 19)24,26:

All samples were treated with excess  Na2SO3 to remove the residual  H2O2 present in the system before analys-
ing their toxicities. The samples were aerated to convert the residual sulfite to  sulfate38.

All numerical calculations were performed using the Berkeley Madonna software (version 8.0; UC Berkeley, 
Berkeley, CA, USA). This software can be used to efficiently solve differential equations to predict the variation in 
concentrations and toxicities of each group of species over time. In addition, the program used the trial-and-error 
method to fit experimental and theoretical data to obtain the values of the photolytic, kinetic, and toxicological 
parameters of grouped substances. The method has been explained in the forthcoming sections.

Experimental set‑up. Experiments were performed in a photochemical reactor (2 L batch mode) consist-
ing of a Pyrex mixing vessel. The inner diameter was 100 mm and the height was 270 mm (Fig. 7). The tem-
perature was maintained at 25 ℃ using a jacketed water recirculating thermostatic system. Three low-pressure 
mercury UV-C lamps (254 nm) that consume a nominal power of 8 W (Philips TUV 8 W G8T5, Philips, Madrid, 
Spain) were used for irradiation. UV irradiation was used instead of a visible or solar light source because these 
two sources emit only 5% of the UV irradiation required for the decomposition of hydrogen peroxide. The lamps 
were equidistant from each other and placed at the centre of the reactor. Each of the lamps was placed inside a 
quartz tube. Actinometrical measurements, revealed that the incident photonic flux (I0) was 3.17 ×  10–5 Einstein 
 s−1. The effective radiation path (L) was 5.85 cm.

Experimental procedure. 4-chlorophenol was dissolved in water (1.7 L) to obtain a solution of concentra-
tion 200 mg  L−1. The solution was placed in the reactor and the mixture was stirred using a magnetic stirrer to 
produce a homogenous solution. Following this, the thermostatic bath was switched on to allow the solution to 
reach a temperature of 25 ± 1 ℃. The initial ratio of  H2O2 to 4-chlorophenol (molar ratio (R); UV/H2O2 process) 
ranged from 2 to 400. The initial pH was adjusted as needed. The control sample was collected after adequately 
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.

Figure 7.  Experimental set‐up used to carry out photolytic assays.



13

Vol.:(0123456789)

Scientific Reports |        (2021) 11:15726  | https://doi.org/10.1038/s41598-021-95083-7

www.nature.com/scientificreports/

homogenising the solution (homogenisation time: 5 min). Subsequently, the UV-C lamp was switched on and 
the samples were collected at different time intervals. During the reaction, the temperature of the thermostatic 
bath was regulated such that the final temperature of the solution was 25 ± 1 ℃. All the experiments were con-
ducted thrice. The average standard deviation was less than 5%.

Conclusions
A kinetic model has been proposed to study the changes in the concentration and toxicity during the oxidation 
process of 4-chlorophenol by UV/H2O2. The effect of peroxide dose on degradation was studied to establish the 
operational conditions that promote the formation of non-toxic or slightly toxic effluents that can be subsequently 
treated via a biological pathway. The efficiency of the proposed model was calibrated using the experimental 
data, checking that the mean standard deviation was ˂0.05.

Based on the identification and analysis of the degradation products, two possible oxidative pathways were 
proposed, which occur simultaneously. The dose of the oxidant used and the reaction time indicated which of the 
two pathways would be predominantly operative. The main oxidation intermediates were grouped in different 
lumps based on various parameters: toxicity, extinction coefficient, and quantum yield.

The model allowed the determination of the kinetic and photolytic parameters. The estimation of these con-
stants allowed the determination of the conditions under which more toxic and recalcitrant by products were 
formed. Conditions under which less toxic and easily degradable compounds were formed were also determined.

A less toxic effluent (9.95 TU) was produced at a pH of 6.0 when the dose of  H2O2 was 200 (R = 200). Under 
these conditions, 4-chlorophenol could be degraded completely within 120 min from the start of the reaction. The 
percentage of mineralisation was approximately 40% and a total loss in colour was observed. This model can be 
potentially used in industries for the prediction of the operational behaviour of the UV/H2O2 system under differ-
ent working conditions. The model can be used in association with a biological system. Moreover, the behaviour 
in terms of intermediate formation and toxicity can serve as a reference for other advanced oxidation techniques, 
including photocatalytic ones, with primary degradation and mineralisation rates similar to those studied here.

Data availability
The datasets generated during and/or analysed during the current study are available from the corresponding 
author on reasonable request.
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Abstract: The objective of this study is to evaluate the turbidity generated during the Fenton photo-
reaction applied to the oxidation of waters containing carbamazepine as a function of factors such
as pH, H2O2 concentration and catalyst dosage. The results let establish the degradation pathways
and the main decomposition byproducts. It is found that the pH affects the turbidity of the water.
Working between pH = 2.0 and 2.5, the turbidity is under 1 NTU due to the fact that iron, added as a
catalyst, is in the form of a ferrous ion. Operating at pH values above 3.0, the iron species in their
oxidized state (mainly ferric hydroxide in suspension) would cause turbidity. The contribution of
these ferric species is a function of the concentration of iron added to the process, verifying that the
turbidity increases linearly according to a ratio of 0.616 NTU L/mg Fe. Performing with oxidant
concentrations at (H2O2) = 2.0 mM, the turbidity undergoes a strong increase until reaching values
around 98 NTU in the steady state. High turbidity levels can be originated by the formation of
coordination complexes, consisting of the union of three molecules containing substituted carboxylic
groups (BaQD), which act as ligands towards an iron atom with Fe3+ oxidation state.

Keywords: BaQD; carbamazepine; ferric coordination complex; photo-Fenton; turbidity

1. Introduction

Over the last decade, special attention has been paid to the presence in waters (in
relation to both their distribution and concentration) of certain organic compounds that,
until now, had not been considered significant dangerous species. This is related to the
improvement of analytical technique, as formerly undetected organic components are
being more widely observed, considering that they have the potential to cause adverse
effects both environmentally and in living beings [1].

Specifically, preventive measures are being adopted to control the emissions of pharma-
ceutically active products (PhACs) on environmental systems due to the harmful impacts
that they can cause both on aquatic life and on human health [2] because they are recalci-
trant compounds that generate toxicity [3,4]. The frequent presence of PhACs in freshwater
and wastewater has promoted the establishment of water quality standards for periodic
monitoring [5]. Thus, carbamazepine (CBZ) is proposed as an anthropogenic marker of
water contamination, caused by its persistence in conventional water treatment plants, also
being perceptible in some freshwater systems [6–8].

CBZ is an anticonvulsive and mood-stabilizing drug, which is used primarily in the
treatment of epilepsy and bipolar disorder [9]. After consumption, around 10% of CBZ is
excreted from the human body [10]. Besides, CBZ is the main cause of Stevens–Johnson
syndrome that can cause toxic epidermal necrolysis [11]. This skin condition is potentially
fatal, with a mortality rate of 30%, in which cell death causes the epidermis to separate
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from the dermis [12]. On the other hand, intrauterine exposure to CBZ is associated with
a congenital defect of the spine and spinal cord, spina bifida [13] and problems with the
neurodevelopmental embryo [14]. Moreover, higher fetal losses, as well as congenital
malformation rates, have been reported among women consuming carbamazepine during
pregnancy [15]. For these reasons, the presence of CBZ in drinking water and some
groundwater is a cause for concern since it constitutes a risk factor as a possible route of
access to the embryo and the infant through intrauterine exposure or breastfeeding.

A large part of the PhACs reach the wastewater through human body excretion and, if
they are not effectively eliminated in the water treatment plants (WWTPs), both the effluent
and the sludge lead to an important source of spreading PhACs in the environment [16,17].
In particular, conventional wastewater treatment plants remove less than 10% of the CBZ
contained in the input influents [18–20]. Thus, WWTP effluents are an important gateway
for CBZ accessing surface and groundwater. In general, the concentration of CBZ is higher
in WWTPs than in exterior waters because the dilution phenomena and natural attenuation
significantly reduce the concentration of these pollutants [21].

The need to effectively eliminate PhACs has promoted Advanced Oxidation Processes,
known as AOPs [22]. Among the AOPs with the greatest applications stand out the
technologies based on oxidation with ozone [23], electrochemical oxidation, photocatalysis
based on the use of UV and Fenton processes [24] and photo-Fenton [25,26]. However,
it should be noted that the oxidation with ozone, although highly reactive with organic
compounds that have olefins or amines in their internal structure, is less effective when
applied in the degradation of the CBZ and ibuprofen [27,28]. In electrochemical oxidation,
the materials making up the electrodes are a limiting factor for industrial application.
Besides, Fenton-like processes produce hydroxyl radicals, which are strong oxidizing
agents capable of degrading a wide range of polluting organic compounds. However,
the traditional Fenton reagent requires a continuous supply of Fe2+, which produces
an excess of iron in the generated sludge [29]. To alleviate this drawback, this work
applies photo-Fenton technology since UV light increases the efficiency of the process.
Therefore, the concentrations of Fe (II) utilized can be much smaller than in the conventional
Fenton reaction.

This study evaluates the Fenton photo-reaction applied to the degradation of CBZ as
a function of several factors, such as pH, hydrogen peroxide concentration and catalyst
dosage. Experimental assays allow checking that during the oxidation treatment, the
treated waters acquire high levels of turbidity depending on the operating conditions used
in the tests. In this way, the aim of this work has been to establish the causes of turbidity in
the treated water and the factors that affect it, relating the formation of turbidity with the
degradation pathways and the main decomposition byproducts causing turbidity. Several
references reported in the bibliography have studied the photo-Fenton treatment applied to
carbamazepine degradation in domestic wastewater [30]. In general, the main objectives of
these works are based on the intensification of ultraviolet technology combined with other
AOPs as iron complexes or ultrasound waves [27,31] and the use of solar light improving
the operational cost [32,33]. However, the novelty of this work is to analyze and establish
the selectivity of the degradative routes of CBZ to water-turbidity generation as a function
of the operating conditions.

2. Results
2.1. Turbidity Changes during Carbamazepine Oxidation

During the degradation of aqueous solutions containing different drugs, using a
photo-Fenton process, it is found that turbidity appears in the treated water (see Figure 1a).
The turbidity control of the water is closely related to the effectiveness of the disinfection
processes, both chemical (chlorine or other biocides) and physical (UV radiation). This
is due to the particles causing turbidity, which reduce the efficiency of the processes of
chlorination in the elimination of pathogenic organisms, since they physically protect
microorganisms from direct contact with the disinfectant. Although the direct effects of
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turbidity on health are not known yet, it affects the organoleptic properties of the water,
which is why it often causes the rejection of consumers.

As shown in Figure 1a, the turbidity generated is a function of the type of pollu-
tant that the water contains, as well as the operating conditions used in the oxidation
treatment. Comparing these results with those shown in Figure 1b for the case of car-
bamazepine oxidation, when carrying out photo-oxidation using oxidant concentrations
(H2O2) = 15.0 mM, the oxidized water presents turbidity levels of 4.6 NTU. Meanwhile,
when using (H2O2) = 2.0 mM, the turbidity of the water increases to levels of 19.0 NTU
after 120 min of reaction. For this reason, it is necessary to perform specific studies for each
kind of effluent, since the turbidity will be determined by the presence of PhACs contained
in the water, as a consequence of the human activities in the emission sources.

Globally, the World Health Organization (WHO) Quality Guidelines for Water for
Human Consumption recommends a maximum of 5 NTU as a reference value, although the
WHO indicates that, to achieve efficient disinfection, the water must have average turbidity
lower than or equal to 1 NTU. Considering Spain, turbidity is a parameter included in
current regulations, where its maximum permitted limits are regulated in Royal Decree
140/2003 [34] on hygienic–sanitary criteria of water for human consumption and Royal
Decree 1620/2007 [35] on reuse of purified waters.
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Figure 1. (a) Turbidity analyzed on aqueous solutions containing different PhACs oxidized by photo-Fenton. Experimental
conditions: (C) = 50.0 mg/L; pH = 3.0; (H2O2) = 15.0 mM; (Fe) = 10.0 mg/L; (UV) = 150 W; T = 25 ◦C. (b) Water quality
indicators analyzed during the carbamazepine oxidation by photo-Fenton. Experimental conditions: (CBZ) = 50.0 mg/L;
pH = 3.0; (H2O2) = 2.0 mM; (Fe) = 10.0 mg/L; (UV) = 150 W; T = 25 ◦C.

On the other hand, Figure 1b represents turbidity as a function of other signs of water
quality, such as the redox potential and the concentrations of ferrous ion and dissolved
oxygen. As displayed, the results do not indicate a direct relationship with the formation
of turbidity. Thus, a more in-depth analysis is necessary to estimate the effect of the main
operating parameters of the photo-Fenton treatment on the formation of turbidity. In this
work, pH, oxidant and catalyst dosage are considered.

2.2. pH Effect

Figure 2a shows the changes in turbidity of the aqueous solutions containing CBZ
during their degradation, using the photo-Fenton process, where the pH of each test
varied between pH = 2.0 and 5.0. It should be noted that the pH value has remained
constant throughout the reaction. These results let verify that acidity affects the formation
of turbidity in the water. However, its formation does not follow a linear relationship with
the pH, but rather, three general ranges of operation are observed.
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When applying acidity between pH = 2.0 and 2.5, the turbidity of the treated water is
less than 1 NTU. This indicates that they are accepted by the legislation, which establishes
the water quality criteria for both consumption and reuse. Oxidized water samples were
analyzed to test carbamazepine degradation intermediates that coexist in the solution once
a steady state is reached (see Appendix A, Table A1). The reason that these intermediate
species cause low levels of turbidity is due to the fact that, performing at a controlled
pH = 2.0–2.5, the iron species added in the form of a catalyst are present as ferrous ions.
Iron species in their reduced state have a low capacity to react with organic matter, forming
metallic complexes or inorganic hydroxides that cause turbidity.

The intermediates detected operating at pH = 2.0 allow proposing the degradation
mechanism shown in Figure 3a, where CBZ would be oxidized through four main degra-
dation routes. The dihydroxylation of the central benzene ring in the cis position of the
hydroxyl groups, which would lead to obtaining acridones through the formation of hy-
droxylated acridines (Acridin-9-ol). On the other hand, the two benzene rings located at
the extremes of the CBZ molecule would be hydroxylated, giving rise to the simultaneous
formation of 3-hydroxy-carbamazepine (3-OH CBZ) and 2-hydroxy-carbamazepine (2-OH
CBZ). Moreover, the attack of the aromatic ring of CBZ, according to the Criegee mecha-
nism, would lead to the formation of 1-(2-benzaldehyde)-4-hydro-(1H,3H)-quinazoline-2-
one(BQM) after intramolecular reactions and rearrangements. The reaction of BQM with
hydroxyl radicals would lead to the formation of 1-(2-benzaldehyde)-(1H, 3H)-quinazoline-
2,4-dione (BQD) [20,36]. Finally, the aldehyde group of the BQD could react with the
hydroxyl radicals giving rise to the formation of the carboxyl group, generating the molec-
ular structure 1-(2-benzoic acid)-(1H, 3H) -quinazoline-2,4-dione (BaQD), [37,38].

Conducting at pH values 3.0 and 3.5, turbidity around 5 NTU was observed, which
would be the maximum limit value accepted by the water legislation. In tests per-
formed at pH = 5.0, kinetic results were obtained that lead to similar turbidity. Besides,
the intermediates that contain the oxidized CBZ samples were analyzed, operating at
pH = 3.0 (see Table A2) and pH = 5.0 (see Table A4), in such a way that they allow to
propose the potential degradation mechanisms of CBZ. It is found that, when carrying out
the oxidation of CBZ both at pH = 3.0 and at pH = 5.0 controlled throughout the process,
the four degradation pathways observed when operating at pH between 2.0 and 2.5 are
kept, although with some nuances.

Figure 3b displays the CBZ degradation mechanism proposed for the assay conducted
at a controlled pH = 5.0. In this case, the formation of the epoxide group in the central ben-
zene ring, 10,11 epoxycarbamazepine (10,11-Epoxy CBZ), is detected, which leads to the for-
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mation of the two dihydroxylated isomers in cis positions 10,11-dihydroxycarbamazepine
(cis 10,11-DiOH-CBZ) and trans 10,11-dihydroxycarbamazepine (trans 10,11-DiOH-CBZ).
In turn, both are degraded, generating acridin-9-ol and acridone. On the other hand, the
hydroxylation of the central benzene ring occurs, giving rise to the formation of 10-hydroxy-
carbamazepine (10-OH CBZ), as well as the hydroxylation of the lateral ring generating
2-hydroxy-carbamazepine (2-OH CBZ). Moreover, the presence of (BQD) was tested. Given
that the nature of the CBZ degradation intermediates analyzed does not present relevant
structural differences with respect to the species detected in the previous case, operating at
pH = 2.0, it should be considered that iron species could be the species directly affected by
the change in the applied pH. In the case of conducting at pH = 3.0 and 5.0, iron would
be found mainly in the form of ferric ions. However, when degrading intermediates of
CBZ, the formation of metallic complexes between organic matter and ferric ions does not
seem important. It would be more accurate to consider that the direct cause of turbidity
formation would be the presence of ferric hydroxide in the solution, which would remain
in suspension, and that would be a function of the concentration of iron added to the
system. In this case, the tests were conducted at (Fe) = 10.0 mg/L, and the turbidity of the
water was similar.
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When carrying out the treatment operating at pH = 4.0, Figure 2a shows that the
turbidity potentially increases, reaching maximum values around 16 NTU at 120 min
of reaction. However, it is noted that as the oxidation process progresses, the turbidity
decreases, reaching values about 5 NTU in the steady state.

To explain this effect, the oxidized water was analyzed at pH = 4.0 (see Table A3),
where, from the results obtained, the degradation mechanism shown in Figure 2b is
proposed. In a similar way to the rest of the assays, four main degradation pathways
are detected, towards the formation of acridon, in this case, through the trans isomer
10,11-DiOH-CBZ, as well as the hydroxylation pathways through the central and lateral
benzene ring of CBZ, confirming the formation of BQD and its subsequent oxidation-
generating BaQD.

It should be remarked that in all the tests performed during the first 30 min of reaction,
a small turbidity peak occurs, whose maximum increases proportionally with the pH. In
the case of operating at pH = 4.0, a second turbidity peak appears, with a larger area, which
is not observed in the rest of the experiments. This significant increase in turbidity may
be due to the formation of ferric species that remain in suspension during the first two
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hours of the reaction. Afterward, they slowly precipitate until a solution is obtained with
turbidity not exceeding 5 NTU.

These results allow us to consider that the iron species, mainly ferric hydroxide, cause
turbidity changes when varying the operational pH. Therefore, when applying pH = 4.0,
which means that iron is mainly found as a ferric ion, and since the same initial iron catalyst
concentration is used ((Fe) = 10.0 mg/L), the final turbidity of the treated water is similar
to that of the oxidized samples at pH = 3.0–5.0, which fluctuate around 5 NTU.

The effect of hydrogen peroxide dosage on the formation of turbidity during the
oxidation of CBZ was analyzed using a photo-Fenton treatment (see Figure 4a). The tests
were performed varying the concentration of oxidant dosed between 2.0 and 15.0 mM,
keeping steady the dosage of iron, added as a catalyst in the form of ferrous ion, at
10.0 mg/L and pH = 0. Checking turbidity in the water during the oxidation of CBZ shows
three operating ranges that lead to similar turbidity levels. This fact could indicate that the
dose of hydrogen peroxide would affect the selectivity of the oxidation pathways of CBZ,
leading to the formation of degradation intermediates that cause turbidity.
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Figure 4. (a) Effect of hydrogen peroxide concentration ((Oxidant), mM) on turbidity changes in a photo-Fenton system
during the carbamazepine oxidation. (b) Effect of hydrogen peroxide on the solutions turbidity once achieved the steady
state. Experimental conditions: (CBZ) = 50.0 mg/L; pH = 3.0; (Fe) = 10.0 mg/L; (UV) = 150 W; T = 40 ◦C.

When applying oxidant concentrations between (H2O2) = 8.0 and 15.0 mM, a slight
peak of turbidity appears during the first 20 min of the oxidation. It is verified that the
maximum turbidity value of the peak is a function of the oxidant concentration. Therefore,
that, using (H2O2) = 8.0 mM, produces a maximum turbidity of 12.5 NTU. Meanwhile,
(H2O2) = 1.0 mM produces 7.2 NTU and (H2O2) = 15.0 mM creates 5.0 NTU. Once the peak
arises, the turbidity evolves according to the kinetics of parallel trend until it coincides in
similar values. Besides, it happens that in the steady state (see Figure 4b), the water treated
under these conditions presents turbidity around 5 NTU. This result could indicate that the
turbidity-causing intermediates formed during the first 20 min, which are dependent on
the oxidation degree of the CBZ reached by using different doses of oxidant, are degraded
to species of a similar nature.

Experimenting with oxidant concentrations (H2O2) = 5.0 mM, the formation of a
turbidity peak is observed during the first 60 min of CBZ oxidation. In this case, the
pinnacle is of greater area than in the previous interval. Moreover, it is verified that the
turbidity evolves to values near 1.5 NTU in the steady state (see Figure 4b). Performing with
oxidant concentrations (H2O2) = 2.0 mM, the water turbidity undergoes a notable increase
during the first 30 min of oxidation of the CBZ, following a linear ratio of 0.34 NTU/min.
Subsequently, the turbidity increases over time, but more slowly, at a rate of 0.057 NTU/min,
until reaching around 98 NTU in the steady state (see Figure 4b). This result would indicate
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that CBZ degradation occurs through serial reactions that lead to the formation of species
of a different nature, which cause turbidity.

Next, the treated water was analyzed using the oxidant dose (H2O2) = 2.0 mM to
determine the degradative routes of CBZ towards the formation of species causing turbidity
since it creates the highest turbidity in the tests conducted (see Figure 5a). These results
allow us to verify that the four general pathways of CBZ degradation observed in the
study of the effect of pH also occur here. The oxidation proceeds towards the production
of acridones through the formation of the epoxide in the central benzene ring of CBZ,
as well as the creation of the epoxide group in the lateral benzene ring, which leads to
the development of hydroxylated species 2-OH-CBZ. On the other hand, hydroxylation
reactions happen in the central benzene ring of CBZ, with the consequent formation of
OX-CBZ and degradation towards the formation of BQD and BaQD.
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Given the molecular structures of the species detected, it does not seem conceivable
that the formation of intermolecular hydrogen bondings generates stable structures of a
purely organic nature. In this case, it is contemplated that there are ferric species in the
system, since the tests were performed at pH = 3.0, which determines the distribution of
the iron species in the solution. Based on this premise, it is plausible that the high levels of
turbidity generated in the water when using oxidant concentrations (H2O2) =2.0 mM can
be caused by the formation of coordination complexes. They consist of the union of three
molecules containing substituted carboxylic groups (BaQD), which act as ligands towards
an iron atom with oxidation state 3+, whose molecular structure is shown in Figure 5b.

2.3. Effect of Iron Catalyst

The effect of iron dosage, used as a catalyst, was studied, working with concentrations
between (Fe) = 5.0 and 40.0 mg/L (see Figure 6a) and keeping steady the oxidant concentra-
tion and pH. The results indicate that the turbidity kinetics analyzed during the oxidation
of CBZ show a parallel evolution in all the tests, where the turbidity increases linearly with
the iron concentration according to a ratio of 0.616 NTU L/mg Fe (see Equation (1)). These
results demonstrate that iron does not affect the CBZ degradation mechanism. Furthermore,
by operating at a constant pH, the distribution of ferrous and ferrous species in solution is
kept constant. Finally, the concentration of iron species was analyzed, verifying that the
catalyst is mainly found as ferric species (see Figure 6b).

[NTU] = [NTU]0 + 0.6159 [Fe] (r2 = 0.9804) (1)
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Being that:
[NTU]0: turbidity of the aqueous solution of CBZ (=0.2261 NTU);
[NTU]: water turbidity (NTU);
[Fe]: initial iron concentration (mg/L).
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Figure 6. (a) Effect of iron catalyst on turbidity changes in a photo-Fenton system during the carbamazepine oxidation. (b)
Effect of iron concentration on the solutions turbidity once the steady state is achieved. Experimental conditions: (CBZ) =
50.0 mg/L; pH = 3.0; (H2O2) = 15.0 mM; (UV) = 150 W; T = 40 ◦C.

3. Materials and Methods
3.1. Experimental Methods

Samples of carbamazepine aqueous solutions ((CBZ) = 50.0 mg/L, Fagron 99.1%) were
studied in a photocatalytic 1.0 L reactor provided with a UV-150W mercury lamp of medium
pressure (Heraeus, 95% transmission between 300 and 570 nm). Reactions began adding the
iron catalyst as ferrous ion ((Fe), mg/L) operating between (Fe)0 = 5.0–40.0 mg/L (FeSO4 7H2O,
Panreac 99.0%) and the oxidant dosage for each set of experiments, which varied between
(H2O2) = 0–15.0 mM (Panreac, 30% w/v). All the experiments were carried out at around
40 ◦C in order to simulate real operating conditions, considering the heat absorbed by the
water that is in direct contact with the ultraviolet lamp. Assays were performed operating
under different initial pH conditions (pH between 2.0 and 5.0) in order to assess the effect
of this parameter on color formation during oxidation of carbamazepine aqueous solutions.
Acidity was kept constant, adding NaOH and HCl 0.1M.

3.2. Analytical Methods

Turbidity (NTU) was analyzed by a turbidimeter (100Q-Hach) and ferrous ion
(Fe2+, mg/L) by the phenanthroline method at λ = 510 nm (Fortune, 1938) using a UV/Vis
Spectrophotometer 930-Uvikon, Kontron Instruments (Mazowieckie, Poland). Dissolved
oxygen (DO, mg/L) was assessed by a Polarographic Portable Dissolved Oxygen Meter
HI9142, Hanna Instruments, S.L. (Eibar, Spain). Total dissolved solids (TDS, mg/L) were
analyzed by a TDS Metter Digital and redox potential (V) by a conductimeter Basic 20
Crison, Hach (Derio, Spain).

3.3. Liquid Chromatography-Mass Spectrometry to Elucidate the Intermediates of
Carbamazepine Degradation

Samples were stored after receipt under refrigeration. Samples were centrifuged
and subsequently diluted before starting analysis. The analysis was carried out with an
LC/Q-TOF, with ESI+ Agilent Jet Stream ionization source and the following conditions:
column: Kinetex EVO C18 HPLC/UHPLC Core-Shell (100 × 3 mm) 2.6 µm (Phenomenex
company, Tianjin, China). Mobile phase 0.1% formic acid (A): acetonitrile with 0.1% of
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formic acid (B). Gradient: %B: 20; 20; 100; 100; 20 vs. time: 0; 2; 24; 28; 30. Flow: 0.3 mL/min.
Column temperature: 35 ◦C. Injection volume: 5 µL. Ionization: Gas T = 300 ◦C; drying gas
10 L/min; Nebulizer 20 psig; shealt gas T = 350 ◦C; shealt gas flow 11 L/min; frag 125 V.
Vcap 3500 V.

A screening method was developed to allow the elution and ionization of the greater
number of compounds present in the sample. The stabilization of the system, the repro-
ducibility of the signals and the correction of the exact mass were checked before starting
the analysis. The compounds were searched using the deconvolution algorithm “Find
by molecular features” and subsequent filtering of the proposed compounds based on
compounds detected in the blank, background noise and minimum abundance of the
compound. The following chromatograms show the major compounds observed for each
of the samples (Figure 7). Under the proposed conditions, the following chromatograms
were obtained for each of samples at pH=2.0, 3.0, 4.0 and 5.0 (Figures 8–11).
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Experimental conditions: (CBZ) = 50.0 mg/L; (Fe) = 10 mg/L; (H2O2) = 15.0 mM; T = 25 ◦C; (UV) = 150 W.

In order to try to identify the greatest number of compounds, standards of possible
carbamazepine degradation compounds were initially prepared to check their retention
time and mass spectra. The following commercial standards were used: carbamazepine
(CBZ), oxo-carbamazepine (Oxo-CBZ), carbamazepine 10, 12-epoxide (Epoxi-CBZ), 11-
dihidro-10-hidroxicarbamazepine (10-OH CBZ), 9-acridanone, acridin-9-ol, 4-aminophenol,
malonic acid (Figure 12).

Using the method developed for the screening, the following retention times (Tr) and
characteristic ions or mass/charge ratios (m/z) were obtained for each compound (Table 1).
Appendix A summarizes the predominant compounds found, as well as their characteristic
ions (m/z) and the experimental masses calculated for each sample.
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Table 1. Standards analyzed.

Compound Tr, min m/z

4-aminophenol 1.3 110.0600
Malonic acid 1.8 105.0182
10-OH CBZ 5.8 255.1128
Epoxi-CBZ 8.2 253.0972
Oxo-CBZ 9.1 253.0972

9-acridanone 9.9 196.0757
Acridin-9-ol 9.9 196.0757

CBZ 11.2 237.1022

Once the majority of compounds were identified, and in order to determine the
concentration of the degradation products in the samples (identified with the commercial
standards), calibration was completed. The quantification of the samples was carried out
using a calibration at concentrations between 0.001 and 5 µg/mL. The results obtained
from the quantitative analysis are shown in Table 2.

Table 2. Results of quantitative analysis, concentrations in µg/mL.

Compound pH = 2.0 pH = 3.0 pH = 4.0 pH = 5.0

CBZ 1.8 10.8 34.4 17.0
Oxo-CBZ <LQL 0.25 0.21 0.037

Epoxi-CBZ - - - -
10-OH CBZ <LQL 0.065 0.022 0.013

9-acridanone and acridin-9-ol 0.013 0.026 0.004 0.010
4-aminophenol n.d. n.d. n.d. n.d.

Malonic acid n.d. n.d. n.d. n.d.
n.d.: not detected, LQL: lower quantification limit (0.002 µg/mL).

Next is explained the validation of the method, wherein Tables 3–7 provide full
validation process of the analysis of CBZ and its degradation products with the main
validation parameters. The samples were subjected to drastic conditions to acid hydrolysis
(1N HCl), basic hydrolysis (1N NaOH), sunlight and temperature (30 ◦C). Subsequently,
the amount recovered was determined in triplicate after 7 days.

Table 3. Limit of quantification values (LOQ) and limit of detection values (LOD) of CBZ and the
detected degradation intermediates in water.

Compound LOQ
(ng/mL)

LOD
(ng/mL)

CBZ 100 30
Oxo-CBZ 2 0.6

10-OH CBZ 2 0.6
9-acridanone 1 0.3
Acridin-9-ol 1 0.3
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Table 4. Linearity values of CBZ and the detected degradation intermediates in water.

Compound Range
(µg/mL)

Regression
Equation R2

CBZ 0.1–50 y = 3.580 x + 6.340 0.998
Oxo-CBZ 0.002–0.5 y = 2.933 x + 5.480 0.998

10-OH CBZ 0.002–0.5 y = 2.008 x + 3.146 0.993
9-acridanone 0.001–0.5 y = 5.298 x + 9.636 0.998
Acridin-9-ol 0.001–0.5 y = 5.034 x + 8.996 0.998

Table 5. Specificity values of CBZ and the detected degradation intermediates in water.

Compound Parameter Amount Added
(µg/mL)

Amount Recovered
(µg/mL)

Degradation
(%)

CBZ
Acidic degradation 25.05 24.58 1.87

Alkaline degradation 25.05 24.29 3.04
Solar light 25.05 24.87 0.71

OX-CBZ
Acidic degradation 0.251 0.246 2.03

Alkaline degradation 0.251 0.241 3.87
Solar light 0.251 0.249 0.98

10-OH CBZ
Acidic degradation 0.251 0.247 1.54

Alkaline degradation 0.251 0.240 4.20
Solar light 0.251 0.249 0.85

Acridanone
Acidic degradation 0.2505 0.2464 1.64

Alkaline degradation 0.2505 0.2412 3.72
Solar light 0.2505 0.2480 0.99

Acridin 9-ol
Acidic degradation 0.2505 0.2447 2.31

Alkaline degradation 0.2505 0.2418 3.47
Solar light 0.2505 0.2479 1.02

Table 6. Accuracy values of CBZ and the detected degradation intermediates in water.

Compound Range
(µg/mL)

Recovery
(Mean ± % RSD)

CBZ 0.1–50 100.05 ± 0.023
Oxo-CBZ 0.002–0.5 100.24 ± 0.030

10-OH CBZ 0.002–0.5 100.56 ± 0.011
9-acridanone 0.001–0.5 100.08 ± 0.007
Acridin-9-ol 0.001–0.5 100.91 ± 0.024

Table 7. Precision values of CBZ and the detected degradation intermediates in water.

Compound Concentration
(µg/mL)

Standard Solution Sample Solution
Mean SD % RSDIntraday

Precision
Interday
Precision

Intraday
Precision

Inter-Day
Precision

CBZ 25.05 96.0190 96.9792 98.0188 98.9080 97.4812 98.7352 0.0128
OX-CBZ 0.251 6.2164 6.1542 6.0696 6.0908 6.1328 6.1988 0.0108

10-OH CBZ 0.251 3.6500 3.7595 3.8475 3.7264 3.7459 3.8279 0.0118
Acridanone 0.2505 10.9633 10.6344 10.8027 10.7996 10.8000 10.934 0.0124
Acridin 9-ol 0.2505 10.2570 10.1544 10.0560 10.3688 10.2091 10.3431 0.0131

4. Conclusions

This work checks the effect of the control parameters of photo-Fenton technology
applied to CBZ oxidation. Experimental assays show that during the oxidation of aqueous
solutions containing CBZ, the water turbidity shows great changes as a function of the
operational conditions (pH, hydrogen peroxide and catalyst concentration). The relation-
ship between turbidity and the control parameters of the photo-Fenton reaction would be
caused by the degradation intermediates generated in water as a function of the oxidized
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degree achieved in the treatment. The analysis of treated waters that show the higher
turbidity levels allow establishing a general oxidation mechanism, where the CBZ would
be oxidized through four main degradation routes. First, the formation of the epoxide
(10,11-Epoxy CBZ) leads to the creation of two dihydroxylated isomers (cis and trans
10,11-DiOH-CBZ), which, in turn, degrade, generating acridin-9-ol and acridone. On the
other hand, the creation of the epoxide (2,3-Epoxy CBZ) generates hydroxylated benzene
rings (3-OH CBZ and 2-OH CBZ). Moreover, the attack of the aromatic ring of CBZ would
lead to the production of BQM, where the reaction of BQM with hydroxyl radicals would
direct the generation of BQD. Finally, the aldehyde group of BQD could react with the
hydroxyl radicals, generating BaQD. Moreover, it has to be considered that in this system,
the iron catalyst has the oxidized form Fe3+. Then, the generation of high turbidity would
be explained based on the molecular structure of the degradation intermediates detected,
where it would be possible to propose the formation of coordination complexes with ferric
ions that enhance the turbidity. This would be the case of coordination compounds be-
tween a ferric ion atom with three BaQD molecules that consist of stable supramolecular
structures that reduce the passage of light through the water, causing turbidity.
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Appendix A

Table A1. Results of screening of major compounds. Sample pH = 2.0. Experimental conditions: [CBZ] = 50.0 mg/L;
[Fe] = 10.0 mg/L; [H2O2] = 15.0 mM; T = 25 ◦C; [UV] = 150 W.

Label Tr, min m/z Mass Height Name Score Diff
(DB,ppm) Ions

Comp 1 1.8 224.0718 223.0645 146,262 - - - 3
Comp 2 1.8 163.0511 162.0438 41,946 - - - 2
Comp 3 2.1 147.0557 146.0485 501,215 - - - 2
Comp 4 2.2 180.0811 179.0739 172565 Acridine 99.09 −2.02 2
Comp 5 2.4 271.1054 270.0991 33,111 CIS-d iOH -CBZ 88.39 4.91 8
Comp 6 4.1 271.1092 270.1023 58,811 CIS-diOH-CBZ 94.64 −7.03 7
Comp 7 4.5 267.0781 266.0708 8828 BQD 87.11 −6.51 1
Comp 8 5.4 267.0779 266.0706 8275 BQD 89.7 −5.78 2
Comp 9 5.8 255.1158 254.1093 8104 - - -

Comp 10 6.5 251.0828 250.0755 269,555 T1251 92.29 −5.1 5
Comp 11 6.6 267.0778 266.0706 38,790 BQD 90.62 −5.5 2
Comp 12 7.3 224.0719 223.0639 1553 - - - 3
Comp 13 7.4 253.0989 252.0919 12,234 2-OH-CBZ 73.88 −7.86 2
Comp 14 7.6 253.0983 252.0911 16,164 2-OH-CBZ 80.87 −4.92 2
Comp 15 7.7 283.0727 282.0654 32,599 BaQD 93.23 −4.53 2
Comp 16 8.5 267.0779 266.0706 147,319 BQD 90.13 −5.65 3
Comp 17 8.9 253.0994 252.0928 15,599 3-OH-CBZ 77.71 −11.53 3
Comp 18 9.2 253.1034 252.096 3526 - - - 2

Comp 19 9.9 196.077 195.0697 184,640 Acridone or
acridin-9-ol 96.9 −6.8 10

Comp 20 11.2 259.0863 236.0971 3,433,925 Carbamazepine 94 −9.09 7
Comp 21 12.0 318.2826 317.2753 29,688 - - - 2
Comp 22 15.2 226.0881 225.0808 402,491 - - - 5
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Table A2. Results of screening of major compounds. Sample pH = 3.0. Experimental conditions: [CBZ] = 50.0 mg/L;
[Fe] = 10.0 mg/L; [H2O2] = 15.0 mM; T = 25 ◦C; [UV] = 150W. The compounds indicated in grey are the possible species
identified by the database.

Label Tr, min m/z Mass Height Name Score Diff
(DB,ppm) Ions

Comp 1 1.8 224.0716 223.0644 632,743 - - - 3
Comp 2 2.1 147.0563 146.0491 436,509 - - - 3
Comp 3 2.2 180.0818 179.0745 1,149,862 Acridine 92.86 −5.76 3
Comp 4 2.4 271.1095 270.1017 147,566 TRANS-diOH-CBZ 86.39 −4.87 3
Comp 5 3.5 271.109 270.102 12,320 - - - 2
Comp 6 4.1 253.099 270.1023 169,843 TRANS-diOH-CBZ 93.57 −6.99 3
Comp 7 4.5 267.0774 266.0701 56,646 BQD 95.11 −3.92 2
Comp 8 5.3 267.0777 266.0704 45,947 BQD 91.98 −5.07 2
Comp 9 5.7 237.1033 254.1065 131,805 10-OH-CBZ 83.69 −4.02 2

Comp 10 6.5 251.0834 250.0761 544,371 T1251 84 −7.51 5
Comp 11 6.6 267.0776 266.0704 55,876 BQD 93.04 −4.7 2
Comp 12 7.1 269.0934 268.0861 141,392 - - - 4
Comp 13 7.3 224.0718 223.0644 52,554 - - - 3
Comp 14 7.4 253.0988 252.0916 256,182 2-OH-CBZ 95.43 −6.61 8
Comp 15 7.6 253.0989 252.0916 357,248 2-OH-CBZ 94.24 −6.77 5
Comp 16 7.7 283.0735 282.0662 9024 BaQD 82.12 −7.58 2
Comp 17 7.9 267.0784 266.0709 19,667 BQD 85.55 −6.92 3
Comp 18 8.2 253.0985 252.0914 17,230 EP-CBZ 73.45 −6.07 2
Comp 19 8.6 267.0795 266.0722 8216 - - - 2
Comp 20 8.8 253.0994 252.0921 330,535 2-OH-CBZ 90.52 −8.92 4
Comp 21 9.2 253.0988 252.0916 204,534 Oxcarbamazepine 94.32 −6.72 5

Comp 22 10.0 196.0772 195.0699 280,810 Acridone or
acridin-9-ol 96.78 −7.92 6

Comp 23 11.2 237.1047 236.0974 10,672,680 Carbamazepine 88.67 −10.08 15
Comp 24 11.7 224.0733 223.066 276,891 - - - 5
Comp 25 11.9 473.1992 472.1919 639,344 - - - 6
Comp 26 15.2 226.0889 225.0816 1,183,745 - - - 5

Table A3. Results of screening of major compounds. Sample pH = 4.0. Experimental conditions: [CBZ] = 50.0 mg/L;
[Fe] = 10.0 mg/L; [H2O2] = 15.0 mM; T = 25 ◦C; [UV] = 150W. The compounds indicated in grey are the possible species
identified by the database.

Label Tr, min m/z Mass Height Name Score Diff
(DB,ppm) Ions

Comp 1 1.8 224.0722 223.0649 755,262 - - - 3
Comp 2 2.1 147.0566 146.0493 372,649 - - - 3
Comp 3 2.2 180.0822 179.0749 1,818,336 Acridine 87.37 −7.78 3
Comp 4 2.4 271.109 270.1018 67,258 TRANS-diOH-CBZ 80.63 −5.01 2
Comp 5 3.5 271.1091 270.1017 178,694 TRANS-diOH-CBZ 96.59 −4.95 3
Comp 6 4.2 253.0988 270.1021 236,040 TRANS-diOH-CBZ 94.47 −6.47 3
Comp 7 4.5 267.0778 266.0705 26,250 BQD 90.8 −5.44 2
Comp 8 5.3 267.078 266.0707 9285 BQD 88.48 −6.13 1
Comp 9 5.7 255.1141 254.1069 31,349 10-OH-CBZ 80.45 −5.52 3

Comp 10 6.5 251.0825 250.0753 119,415 T1251 94.04 −4.46 3
Comp 11 6.6 267.0779 266.0706 13,942 BQD 89.97 −5.7 2
Comp 12 7.1 269.0935 268.0861 166,675 - - - 5
Comp 13 7.4 224.0716 223.0643 44,729 - - - 2
Comp 14 7.3 253.0985 252.0912 385,655 3-OH CBZ 96.47 −5.18 5
Comp 15 7.6 253.099 252.0917 514,816 3-OH CBZ 93.53 −7.24 8
Comp 16 7.9 267.0781 266.0708 12,768 BDQ 87.89 −6.29 2
Comp 17 8.2 253.099 252.0918 70,044 EP-CBZ 93.04 −7.69 3
Comp 18 8.8 253.0996 252.0923 1,397,381 3-OH-CBZ 89.34 −9.65 11
Comp 19 9.1 253.0989 252.0916 149,274 Oxcarbamazepine 78.9 −6.89 4

Comp 20 9.9 196.0767 195.0696 109,794 Acridone or
acridin-9-ol 97.14 −5.92 4

Comp 21 11.2 237.105 236.0973 15,089,995 Carbamazepine 83.8 −9.81 9
Comp 22 11.7 224.0723 223.0653 95,064 - - - 2
Comp 23 11.9 473.1994 472.192 688,405 - - - 8
Comp 24 13.5 210.0931 209.0859 635,867 - - - 3
Comp 25 15.2 226.0889 225.0817 1,793,645 - - - 8
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Table A4. Results of screening of major compounds. Sample pH = 5.0. Experimental conditions: [CBZ] = 50.0 mg/L;
[Fe] = 10.0 mg/L; [H2O2] = 15.0 mM; T = 25 ◦C; [UV] = 150W. The compounds indicated in grey are the possible species
identified by the database.

Label Tr, min m/z Mass Height Name Score Diff
(DB,ppm) Ions

Comp 1 1.8 224.0718 223.0645 520,658 - - - 3
Comp 2 2.1 147.0568 146.0496 588,299 - - - 3
Comp 3 2.2 180.0822 179.0749 693,527 Acridine 87.18 −7.84 3
Comp 4 2.4 271.1092 270.1019 141,194 TRANS-diOH-CBZ 80.16 −5.49 2
Comp 5 3.5 271.1091 270.1019 432,132 CIS-diOH-CBZ 96.29 −5.38 7
Comp 6 4.1 271.1091 270.1018 409,566 CIS-diOH-CBZ 96.85 −5.13 9
Comp 7 4.5 267.0778 266.0705 114,157 BQD 91.47 −5.23 2
Comp 8 5.3 267.0779 266.0706 13,734 BQD 89.84 −5.73 1
Comp 9 5.7 255.114 254.1069 56,313 10-OH-CBZ 96.03 −5.69 10

Comp 10 6.4 251.0827 250.0755 398,550 T1251 92.37 −5.07 6
Comp 11 6.5 267.0782 266.0709 10,804 BQD 86.14 −6.77 2
Comp 12 7.1 269.0935 268.0862 148,854 - - - 8
Comp 13 7.3 224.0721 223.0648 51,741 - - - 4
Comp 14 7.3 253.0989 252.0916 473,737 2-OH-CBZ 95.34 −6.62 6
Comp 15 7.5 253.0995 252.0922 802,934 2-OH-CBZ 91.73 −9.17 10
Comp 16 7.9 267.0775 266.0701 34,402 BQD 95.57 −3.73 4
Comp 17 8.2 253.0985 252.0915 81,586 EP-CBZ 97.33 −6.51 8
Comp 18 8.8 253.0996 252.0924 1,722,757 2-OH-CBZ 90.91 −9.73 11
Comp 19 9.1 253.0983 252.0911 37,573 Oxcarbamazepine 80.73 -4.9 2

Comp 20 10.0 196.0773 195.07 158,961 Acridone or
acridin-9-ol 95.31 −8.41 6

Comp 21 11.2 237.1048 236.0973 11,711,134 Carbamazepine 89.16 −9.9 15
Comp 22 11.7 224.0731 223.0663 207,462 - - - 5
Comp 23 12.0 473.1987 472.1915 239,021 - - - 7
Comp 24 15.2 226.0886 225.0814 2,443,394 - - - 11

References
1. Lapworth, D.J.; Baran, N.; Stuart, M.E.; Ward, R.S. Emerging Organic Contaminants in Groundwater: A Review of Sources, Fate

and Occurrence. Environ. Pollut. 2012, 163, 287–303. [CrossRef] [PubMed]
2. Hai, F.I.; Yang, S.; Asif, M.B.; Sencadas, V.; Shawkat, S.; Sanderson-Smith, M.; Gorman, J.; Xu, Z.-Q.; Yamamoto, K. Carbamazepine

as a Possible Anthropogenic Marker in Water: Occurrences, Toxicological Effects, Regulations and Removal by Wastewater
Treatment Technologies. Water 2018, 10, 107. [CrossRef]

3. Hughes, S.R.; Kay, P.; Brown, L.E. Global Synthesis and Critical Evaluation of Pharmaceutical Data Sets Collected from River
Systems. Environ. Sci. Technol. 2013, 47, 661–677. [CrossRef]

4. Gavrilescu, M.; Demnerová, K.; Aamand, J.; Agathos, S.; Fava, F. Emerging Pollutants in the Environment: Present and Future
Challenges in Biomonitoring, Ecological Risks and Bioremediation. New Biotechnol. 2015, 32, 147–156. [CrossRef]

5. Brack, W.; Dulio, V.; Ågerstrand, M.; Allan, I.; Altenburger, R.; Brinkmann, M.; Bunke, D.; Burgess, R.M.; Cousins, I.; Escher, B.I.;
et al. Towards the Review of the European Union Water Framework Directive: Recommendations for More Efficient Assessment
and Management of Chemical Contamination in European Surface Water Resources. Sci. Total Environ. 2017, 576, 720–737.
[CrossRef]

6. Kumar, A.; Batley, G.E.; Nidumolu, B.; Hutchinson, T.H. Derivation of Water Quality Guidelines for Priority Pharmaceuticals.
Environ. Toxicol. Chem. 2016, 35, 1815–1824. [CrossRef] [PubMed]

7. Marcelo, V.O.; Salette, R.; Jose, L.F.C.L.; Marcela, A.S. Analytical Features of Diclofenac Evaluation in Water as a Potential Marker
of Anthropogenic Pollution. Curr. Pharm. Anal. 2016, 13, 39–47.

8. Ferrer, I.; Thurman, E.M. Analysis of 100 Pharmaceuticals and Their Degradates in Water Samples by Liquid Chromatogra-
phy/Quadrupole Time-of-Flight Mass Spectrometry. J. Chromatogr. A 2012, 1259, 148–157. [CrossRef] [PubMed]

9. Arye, G.; Dror, I.; Berkowitz, B. Fate and Transport of Carbamazepine in Soil Aquifer Treatment (SAT) Infiltration Basin Soils.
Chemosphere 2011, 82, 244–252. [CrossRef]

10. Kasprzyk-Hordern, B.; Dinsdale, R.M.; Guwy, A.J. The Removal of Pharmaceuticals, Personal Care Products, Endocrine Disruptors
and Illicit Drugs during Wastewater Treatment and Its Impact on the Quality of Receiving Waters. Water Res. 2009, 43, 363–380.
[CrossRef]

11. Chen, P.; Lin, J.-J.; Lu, C.-S.; Ong, C.-T.; Hsieh, P.F.; Yang, C.-C.; Tai, C.-T.; Wu, S.-L.; Lu, C.-H.; Hsu, Y.-C.; et al. Carbamazepine-
Induced Toxic Effects and HLA-B*1502 Screening in Taiwan. N. Engl. J. Med. 2011, 364, 1126–1133. [CrossRef] [PubMed]

12. Pereira, F.A.; Mudgil, A.V.; Rosmarin, D.M. Toxic Epidermal Necrolysis. J. Am. Acad. Dermatol. 2007, 56, 181–200. [CrossRef]
[PubMed]

http://doi.org/10.1016/j.envpol.2011.12.034
http://www.ncbi.nlm.nih.gov/pubmed/22306910
http://doi.org/10.3390/w10020107
http://doi.org/10.1021/es3030148
http://doi.org/10.1016/j.nbt.2014.01.001
http://doi.org/10.1016/j.scitotenv.2016.10.104
http://doi.org/10.1002/etc.3336
http://www.ncbi.nlm.nih.gov/pubmed/26660719
http://doi.org/10.1016/j.chroma.2012.03.059
http://www.ncbi.nlm.nih.gov/pubmed/22487190
http://doi.org/10.1016/j.chemosphere.2010.09.062
http://doi.org/10.1016/j.watres.2008.10.047
http://doi.org/10.1056/NEJMoa1009717
http://www.ncbi.nlm.nih.gov/pubmed/21428768
http://doi.org/10.1016/j.jaad.2006.04.048
http://www.ncbi.nlm.nih.gov/pubmed/17224365


Catalysts 2021, 11, 894 16 of 17

13. Jentink, J.; Dolk, H.; Loane, M.A.; Morris, J.K.; Wellesley, D.; Garne, E.; de Jong-van den Berg, L.; EUROCAT Antiepileptic
Study Working Group. Intrauterine Exposure to Carbamazepine and Specific Congenital Malformations: Systematic Review and
Case-Control Study. BMJ 2010, 341, c6581. [CrossRef] [PubMed]

14. Cummings, C.; Stewart, M.; Stevenson, M.; Morrow, J.; Nelson, J. Neurodevelopment of Children Exposed in Utero to Lamotrigine,
Sodium Valproate and Carbamazepine. Arch. Dis. Child. 2011, 96, 643–647. [CrossRef] [PubMed]

15. Atkinson, D.E.; Brice-Bennett, S.; D’Souza, S.W. Antiepileptic Medication during Pregnancy: Does Fetal Genotype Affect
Outcome? Pediatr. Res. 2007, 62, 120–127. [CrossRef]

16. Hai, F.I.; Nghiem, L.D.; Khan, S.J.; Price, W.E.; Yamamoto, K. Wastewater Reuse: Removal of Emerging Trace Organic Contami-
nants. In Membrane Biological Reactors: Theory, Modeling, Design, Management and Applications to Wastewater Reuse; IWA Publishing:
London, UK, 2014; ISBN 978-1-78040-065-5.

17. Vieno, N.; Tuhkanen, T.; Kronberg, L. Elimination of Pharmaceuticals in Sewage Treatment Plants in Finland. Water Res. 2007, 41,
1001–1012. [CrossRef]

18. Ying, G.-G.; Kookana, R.S.; Kolpin, D.W. Occurrence and Removal of Pharmaceutically Active Compounds in Sewage Treatment
Plants with Different Technologies. J. Environ. Monit. 2009, 11, 1498–1505. [CrossRef]

19. Tixier, C.; Singer, H.P.; Oellers, S.; Müller, S.R. Occurrence and Fate of Carbamazepine, Clofibric Acid, Diclofenac, Ibuprofen,
Ketoprofen, and Naproxen in Surface Waters. Environ. Sci. Technol. 2003, 37, 1061–1068. [CrossRef]

20. Wijekoon, K.C.; Hai, F.I.; Kang, J.; Price, W.E.; Guo, W.; Ngo, H.H.; Nghiem, L.D. The Fate of Pharmaceuticals, Steroid Hormones,
Phytoestrogens, UV-Filters and Pesticides during MBR Treatment. Bioresour. Technol. 2013, 144, 247–254. [CrossRef]

21. Guo, Y.C.; Krasner, S.W. Occurrence of Primidone, Carbamazepine, Caffeine, and Precursors for N-Nitrosodimethylamine in
Drinking Water Sources Impacted by Wastewater1. JAWRA J. Am. Water Resour. Assoc. 2009, 45, 58–67. [CrossRef]

22. Luo, Y.; Guo, W.; Ngo, H.H.; Nghiem, L.D.; Hai, F.I.; Zhang, J.; Liang, S.; Wang, X.C. A Review on the Occurrence of Micropol-
lutants in the Aquatic Environment and Their Fate and Removal during Wastewater Treatment. Sci. Total Environ. 2014, 473,
619–641. [CrossRef] [PubMed]

23. Villota, N.; Lombraña, J.I.; Cruz-Alcalde, A.; Marcé, M.; Esplugas, S. Kinetic Study of Colored Species Formation during
Paracetamol Removal from Water in a Semicontinuous Ozonation Contactor. Sci. Total Environ. 2019, 649, 1434–1442. [CrossRef]

24. Mijangos, F.; Varona, F.; Villota, N. Changes in Solution Color During Phenol Oxidation by Fenton Reagent. Environ. Sci. Technol.
2006, 40, 5538–5543. [CrossRef] [PubMed]

25. Villota, N.; Lomas, J.M.; Camarero, L.M. Study of the Paracetamol Degradation Pathway That Generates Color and Turbidity in
Oxidized Wastewaters by Photo-Fenton Technology. J. Photochem. Photobiol. A Chem. 2016, 329, 113–119. [CrossRef]

26. Villota, N.; Ferreiro, C.; Qulatein, H.A.; Lomas, J.M.; Camarero, L.M.; Lombraña, J.I. Colour Changes during the Carbamazepine
Oxidation by Photo-Fenton. Catalysts 2021, 11, 386. [CrossRef]

27. Sun, S.; Yao, H.; Fu, W.; Liu, F.; Wang, X.; Zhang, W. Enhanced Degradation of Carbamazepine in FeOCl Based Photo-Fenton
Reaction. J. Environ. Chem. Eng. 2021, 9, 104501. [CrossRef]

28. Yao, W.; Qu, Q.; von Gunten, U.; Chen, C.; Yu, G.; Wang, Y. Comparison of Methylisoborneol and Geosmin Abatement in Surface
Water by Conventional Ozonation and an Electro-Peroxone Process. Water Res. 2017, 108, 373–382. [CrossRef]

29. Oturan, M.A.; Aaron, J.-J. Advanced Oxidation Processes in Water/Wastewater Treatment: Principles and Applications. A Review.
Crit. Rev. Environ. Sci. Technol. 2014, 44, 2577–2641. [CrossRef]

30. Ahmed, M.M.; Chiron, S. Solar Photo-Fenton like Using Persulphate for Carbamazepine Removal from Domestic Wastewater.
Water Res. 2014, 48, 229–236. [CrossRef]

31. Expósito, A.J.; Monteagudo, J.M.; Durán, A.; San Martín, I.; González, L. Study of the Intensification of Solar Photo-Fenton
Degradation of Carbamazepine with Ferrioxalate Complexes and Ultrasound. J. Hazard. Mater. 2018, 342, 597–605. [CrossRef]
[PubMed]

32. Guo, Q.; Zhu, W.; Yang, D.; Wang, X.; Li, Y.; Gong, C.; Yan, J.; Zhai, J.; Gao, X.; Luo, Y. A Green Solar Photo-Fenton Process for the
Degradation of Carbamazepine Using Natural Pyrite and Organic Acid with in-Situ Generated H2O2. Sci. Total Environ. 2021,
784, 147187. [CrossRef] [PubMed]

33. Casierra-Martinez, H.A.; Madera-Parra, C.A.; Vargas-Ramírez, X.M.; Caselles-Osorio, A.; Torres-López, W.A. Diclofenac and
Carbamazepine Removal from Domestic Wastewater Using a Constructed Wetland-Solar Photo-Fenton Coupled System. Ecol.
Eng. 2020, 153, 105699. [CrossRef]

34. BOE.Es—BOE-A-2003-3596 Royal Decree 140/2003, of February 7th, Establishing Sanitary Criteria for the Quality of Water for
Human Consumption. Available online: https://www.boe.es/buscar/doc.php?id=BOE-A-2003-3596 (accessed on 24 June 2021).

35. BOE.Es—BOE-A-2007-21092 Royal Decree 1620/2007, of December 7th, Establishing the Legal Regime for the Reuse of Purified
Waters. Available online: https://www.boe.es/buscar/doc.php?id=BOE-A-2007-21092 (accessed on 24 June 2021).

36. De Laurentiis, E.; Chiron, S.; Kouras-Hadef, S.; Richard, C.; Minella, M.; Maurino, V.; Minero, C.; Vione, D. Photochemical
Fate of Carbamazepine in Surface Freshwaters: Laboratory Measures and Modeling. Environ. Sci. Technol. 2012, 46, 8164–8173.
[CrossRef]

http://doi.org/10.1136/bmj.c6581
http://www.ncbi.nlm.nih.gov/pubmed/21127116
http://doi.org/10.1136/adc.2009.176990
http://www.ncbi.nlm.nih.gov/pubmed/21415043
http://doi.org/10.1203/PDR.0b013e3180a02e50
http://doi.org/10.1016/j.watres.2006.12.017
http://doi.org/10.1039/b904548a
http://doi.org/10.1021/es025834r
http://doi.org/10.1016/j.biortech.2013.06.097
http://doi.org/10.1111/j.1752-1688.2008.00289.x
http://doi.org/10.1016/j.scitotenv.2013.12.065
http://www.ncbi.nlm.nih.gov/pubmed/24394371
http://doi.org/10.1016/j.scitotenv.2018.08.417
http://doi.org/10.1021/es060866q
http://www.ncbi.nlm.nih.gov/pubmed/16999137
http://doi.org/10.1016/j.jphotochem.2016.06.024
http://doi.org/10.3390/catal11030386
http://doi.org/10.1016/j.jece.2020.104501
http://doi.org/10.1016/j.watres.2016.11.014
http://doi.org/10.1080/10643389.2013.829765
http://doi.org/10.1016/j.watres.2013.09.033
http://doi.org/10.1016/j.jhazmat.2017.08.069
http://www.ncbi.nlm.nih.gov/pubmed/28892797
http://doi.org/10.1016/j.scitotenv.2021.147187
http://www.ncbi.nlm.nih.gov/pubmed/33901960
http://doi.org/10.1016/j.ecoleng.2019.105699
https://www.boe.es/buscar/doc.php?id=BOE-A-2003-3596
https://www.boe.es/buscar/doc.php?id=BOE-A-2007-21092
http://doi.org/10.1021/es3015887


Catalysts 2021, 11, 894 17 of 17

37. Krakstrom, M.; Saeid, S.; Tolvanen, P.; Kumar, N.; Salmi, T.; Kronberg, L.; Eklund, P. Ozonation of Carbamazepine and Its Main
Transformation Products: Product Determination and Reaction Mechanisms. Environ. Sci. Pollut. Res. 2020, 27, 23258–23269.
[CrossRef] [PubMed]

38. McDowell, D.C.; Huber, M.M.; Wagner, M.; von Gunten, U.; Ternes, T.A. Ozonation of Carbamazepine in Drinking Water:
Identification and Kinetic Study of Major Oxidation Products. Environ. Sci. Technol. 2005, 39, 8014–8022. [CrossRef] [PubMed]

http://doi.org/10.1007/s11356-020-08795-0
http://www.ncbi.nlm.nih.gov/pubmed/32333356
http://doi.org/10.1021/es050043l
http://www.ncbi.nlm.nih.gov/pubmed/16295869




 





catalysts

Article

Colour Changes during the Carbamazepine Oxidation by
Photo-Fenton

Natalia Villota 1,*, Cristian Ferreiro 2 , Hussein Ahmad Qulatein 3 , Jose María Lomas 1, Luis Miguel Camarero 1

and José Ignacio Lombraña 2

����������
�������

Citation: Villota, N.; Ferreiro, C.;

Qulatein, H.A.; Lomas, J.M.;

Camarero, L.M.; Lombraña, J.I.

Colour Changes during the

Carbamazepine Oxidation by Photo-

Fenton. Catalysts 2021, 11, 386.

https://doi.org/10.3390/catal11030386

Academic Editors: Gassan Hodaifa

and Rafael Borja

Received: 24 February 2021

Accepted: 16 March 2021

Published: 18 March 2021

Publisher’s Note: MDPI stays neutral

with regard to jurisdictional claims in

published maps and institutional affil-

iations.

Copyright: © 2021 by the authors.

Licensee MDPI, Basel, Switzerland.

This article is an open access article

distributed under the terms and

conditions of the Creative Commons

Attribution (CC BY) license (https://

creativecommons.org/licenses/by/

4.0/).

1 Department of Chemical and Environmental Engineering, Faculty of Engineering of Vitoria-Gasteiz,
University of the Basque Country UPV/EHU, Nieves Cano 12, 01006 Vitoria-Gasteiz, Spain;
josemaria.lomas@ehu.eus (J.M.L.); luismiguel.camarero@ehu.es (L.M.C.)

2 Department of Chemical Engineering, Faculty of Science and Technology, University of the Basque Country
UPV/EHU, Barrio Sarriena s/n, 48940 Leioa, Spain; cristian.ferreiro@ehu.eus (C.F.);
ji.lombrana@ehu.eus (J.I.L.)

3 Department of Chemical Engineering, Faculty of Engineering, Anadolu University, 26555 Eskisehir, Turkey;
husseinqullatein@gmail.com

* Correspondence: natalia.villota@ehu.eus; Tel.: +34-9450-13248

Abstract: The oxidation of aqueous solutions of carbamazepine is conducted using the Fenton
reagent, combined with the photolytic action of a 150 W medium pressure UV lamp, operating at
T = 40 ◦C. The effect of acidity is analysed at an interval pH = 2.0–5.0, verifying that operating at
pH = 5.0 promotes colour formation (Colour = 0.15 AU). The effect of iron is studied, finding that the
colour of the water increases in a linear way, Colour = 0.05 + 0.0075 [Fe]0. The oxidising action of
hydrogen peroxide is tested, confirming that when operating with [H2O2]0 = 2.0 mM, the maximum
colour is generated (Colourmax = 0.381 AU). The tint would be generated by the degradation of
by-products of carbamazepine, which have chromophoric groups in their internal structure, such as
oxo and dioxocarbazepines, which would produce tint along the first minutes of oxidation, while the
formation of acridones would slowly induce colour in the water.

Keywords: acridone; carbamazepine; colour; oxo-carbamazepine; photo-Fenton

1. Introduction

The study of emerging pollutants in wastewater, as well as its treatment and elimina-
tion, are receiving great attention in recent times due to their presence in many kinds of
waters and their possible repercussions on the environment [1]. In almost all wastewater
of both urban and industrial origin, different emerging pollutants have been detected in
variable concentrations, depending on the activities conducted in the original areas of such
waters. Recently, several governments are beginning to limit the presence of some of them,
based on the Directive 2013/39/EU of the European Parliament, as well as the Council
of 12 August 2013 Amending Directives 2000/60/EC and 2008/105/EC [2], although the
effects that they cause or their content in the environment are largely unknown.

The main source of entry into the environment for these pollutants is through unpro-
cessed wastewater and effluents from wastewater treatment plants (WWTPs). Conventional
plants are not designed for the elimination of this type of micro-pollutants, so their removal
in many cases is not complete. Based on this approach, a need arises for these studies,
which seek to know the behaviour of emerging pollutants, which are selected based on
European guidelines to be analysed in WWTPs. In this way, the aim of this work is to es-
tablish indicators of contamination throughout the different phases that form the treatment
systems of these plants, being a key aspect to consider the degree of elimination of these
contaminants in the different treatment processes currently used.

Among these priority substances, pharmaceutical products, being active biological
substances, can affect living organisms in water even in small concentration. Pharmaceu-
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ticals such as hormones, pain relievers, and antidepressants can have adverse influence
on fish, crustaceans, and algae, because they have a similar kind of receptors as humans.
The consequences on animals and plants can be very different from the pharmacological
effects expected in humans. For this reason, there is a current need to develop new analysis
methods that ensure the effectiveness of the AOPs, in order to conduct a correct design of
the new processes [3].

Following the indications of Directive 2013/39/EU of the European Parliament, this
work is part of a central line of research that is focussed on the development of techniques
that allow the degradation of drugs, because there are resistant micro-pollutants contained
in wastewater. The purpose is to prevent their transmission to water distribution networks
based on the Commission Implementing Rule (EU) 2018/840 of 5 June 2018 [4].

This work focusses on the study of the degradation of the drug carbamazepine. This
drug has been selected as a model pollutant of the study, due to its persistence in conven-
tional treatment plants, as well as its wide presence in urban water [5]. Carbamazepine
(CBZ) is a medicine utilised to treat neurological conditions such as epilepsy, depression, or
bipolar disorder. In humans, around 72% is absorbed and metabolised in the liver, and 28%
is excreted in feces. CBZ is one of the most frequently detected pharmaceutical compounds
in urban aqueous systems [6,7]. On the other hand, the main metabolites detected in urine
are BBZ-epoxide, CBZ-diol, CBZ-acridan, 2-OH-CBZ, and 3-OH-CBZ [5,8,9]. CBZ is a
recalcitrant pollutant identified in the effluents of sewage treatment plants and in superfi-
cial waters, which has a potential impact on the environment due to its physico-chemical
properties, since it is seldom eliminated in conventional water treatments [10].

Due to its potential effect on aquatic microorganisms and human health, there is
a notable concern about its removal from water. Studies performed in the presence of
CBZ in relevant concentrations show that it can induce disorders in lipid metabolism, as
well as damage to mitochondria and DNA in fish [11,12]. Moreover, research published
by Faisal et al. [5] shows that CBZ residues in drinking water could cause congenital
malformations and/or neurological development problems after long-term intrauterine
exposure or breastfeeding. On the other hand, analysis of UV-irradiated aqueous CBZ
solutions reveals that acridine, a compound known to be carcinogenic, is one of the by-
products formed [13].

Within this context, Advanced Oxidation Processes (AOPs) are presented as an alter-
native with great potential to effectively eliminate emerging pollutants. To perform the
industrial implementation of AOPs, it is necessary to evaluate the different technologies
to minimise toxic risks to human health [14], and to solve problems regarding technical
feasibility, cost-effectiveness, and their own sustainability [15]. On the other hand, the
low concentration levels in which these micro-pollutants are found in the waters limit the
effectiveness of these treatments [16]. Assessing the effects induced by the discharge of
these wastewaters into natural channels is a challenge, since it presents the difficulty of
identifying numerous pollutants, metabolites, and transformation products in very low
concentrations.

Among these technologies, this work tries to test the use of hydrogen peroxide com-
bined with iron salts and ultraviolet (UV) light, called photo-Fenton Technology, in order
to study the degradation of carbamazepine in aqueous solution. Ultraviolet light is a
germicide emission that does not present any residual or secondary effects. Therefore, this
technique has a great potential to become a useful tool with high viability. Nevertheless, it
is necessary to develop a solid foundation of knowledge in the design of feasible processes
for the degradation of emerging pollutants, which requires exhaustive research on the
laboratory scale and in pilot plants.

2. Results
2.1. Colour Changes during Carbamazepine Oxidation

Figure 1 displays the colour changes that occur in the aqueous solution during the
degradation of carbamazepine using the photo-Fenton process. The operating conditions in
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the tests shown in Figure 1a lead to the formation of a tinted aqueous residue recalcitrant to
oxidation. For this reason, it is chosen as a representative essay to analyse this phenomenon.
The degradation of carbamazepine occurs during the first two hours of reaction following
second-order kinetic guidelines. The generation of tint in the water occurs during the first
40 min of reaction until it reaches a maximum value that remains stable over time.
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Figure 1. Water quality parameters analysed during carbamazepine oxidation by photo-Fenton: (a) Carbamazepine concen-
tration, colour and redox potential. (b) Dissolved oxygen and ferrous ion. Experimental conditions: [CBZ]0 = 50.0 mg/L;
pH = 3.0; [H2O2]0 = 2.0 mM; [Fe]0 = 10.0 mg/L; [UV] = 150 W; T = 40 ◦C.

Analysing the redox potential values, an intense increase is observed during the first
5 min of the reaction until reaching a maximum value that decreases, arriving to a steady
state after 40 min. This similar evolution between the colour and the redox potential
changes makes it possible to associate the species that produce the hue changes in the water
with the degradation intermediates of carbamazepine, which cause the redox potential
values considered in the solution.

It should be noted that the increase in the redox potential during the first minutes of
the reaction may be due to the oxidation of the ferrous ions to ferric, which is presented
in Figure 1b. This allows verifying that approximately 70% of iron added to the reaction
mixture in the form of ferrous ions is oxidised through the Fenton mechanism to ferric ions.
Furthermore, during the course of the reaction, it is found that under the conditions tested,
complete regeneration of the catalyst to ferrous ions occurs.

These results allow proposing a direct relationship between the redox potential and
the reaction intermediates generated in the different stages of the carbamazepine oxidation
mechanism. The substitution of groups of different nature (hydroxyl, oxo) in the aromatic
rings affect the redox potential of the molecule, enlarging or reducing its value depending
on the inducing effect of the substituent groups to accept or reject electrons in such a way
that if the substitution in the ring is favored, they decrease the redox potential. In the
case of hydroxylated carbamazepine molecules, when the aromatic ring loses the proton
of the substituted hydroxyl group, electron delocalisation increases, thereby enlarging
stability and causing the redox potential to decline [17]. Based on this hypothesis, it could
be considered that the diminishment in redox potential would be related to the maximum
concentration of dihydroxylated carbamazepines in the reaction medium, which would be
contemplated as the precursor species of colour formation in water.

On the other hand, Figure 1b shows the evolution of dissolved oxygen (DO, mg O2/L).
During the first 10 min of the reaction, there is a high consumption of oxygen dissolved
in water, until reaching levels around (DO = 0.1 mg O2/L). This utilisation can be related
to the oxidation process through the formation of strongly oxidising radical species. In
this way, a highly oxidising environment is created that requires a large consumption of
oxidising species. In addition, it is found that the moment when almost all the DO is
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exhausted corresponds to the highest redox potential. This aspect can be associated to the
maximum concentration of ferric ions generated in the Fenton reaction.

Next, the DO concentration begins to increase slightly until reaching levels of about
0.4 mg O2/L after two hours of reaction. This behaviour is similar to that observed in
studies reported in the bibliography during the oxidation of other organic pollutants [18],
where this second stage of DO production presents a clear dependence on the nature of
the oxidised species. In general, it is found that DO release is higher during the oxidation
of organic matter that does not form organometallic complexes with iron, due to their
molecular structure configuration. When the release of DO in the water is very slow,
it is attributed to the fact that the degradation intermediates can form supramolecular
structures with the ferric ions, preventing the iron regeneration.

In the case of the oxidation of carbamazepine shown in Figure 1b, it is observed
that the DO release rate in water is very low (kDO = 0.0017 mg O2/L min), although
the ferric ions are completely regenerated to ferrous. This result could be attributed to
oxygen evolution reactions, where free radicals participate. The conditions that facilitate
the formation of tint in the water are related to the use of scarce oxidant with respect to the
contaminant load. This leads to partial oxidation of carbamazepine towards the formation
of colour precursor intermediates. By conducting the reaction with a shortage of oxidant,
it causes the generated radical load to be consumed through the processes of oxidation
of organic matter and iron regeneration. As a result, the interradical reactions producing
oxygen release in the water are relegated.

2.2. pH Effect

Figure 2 presents the effect of pH on water colour changes during the oxidation of
aqueous carbamazepine solutions, operating between pH = 2.0 and 5.0. It should be noted
that the acidity has remained stable throughout the reaction at the initial established value.
In the tests conducted, it was found that during the first 5 min of the oxidation, tint was
generated in the water until it reached a maximum value and then decreases to a stable
value, around 30 min of reaction time. PH determines the value of the colour area as well
as the residual hue of the oxidised water. On the other hand, it is observed that operating
between pH = 2.0 and 3.5, the maximum colour formation occurs at around 5 min of
reaction. However, at pH = 4.0 and 5.0 the maximun colour formation occurs between 10
and 15 min.
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Figure 2. pH effect on colour changes in a photo-Fenton system during the carbamazepine oxidation.
Experimental conditions: [CBZ]0 = 50.0 mg/L; [H2O2]0 = 15.0 mM; [Fe]0 = 10.0 mg/L; [UV] = 150 W;
T = 40 ◦C.

To analyse this result in more detail, Figure 3a represents the colour of the treated
water once it has reached a steady state, together with the redox potential values. It is
observed that both variables show a similar evolution regarding pH effect. By increasing
the value from pH = 2.0 to 5.0, the intensity of the colour and the redox potential increases,



Catalysts 2021, 11, 386 5 of 13

showing a maximum when carrying out the tests at pH = 5.0. As this pH increases, the
colour and redox potential of the water decrease.
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Figure 3. Indicator parameters of water quality analysed at the steady state: (a) Colour and redox potential. (b) Dissolved
oxygen and total dissolved solids. Experimental conditions: [CBZ]0 = 50.0 mg/L; [H2O2]0 = 15.0 mM; [Fe]0 = 10.0 mg/L;
[UV] = 150 W; T = 40 ◦C.

To explain this effect, the speciation diagram of Fe (III) species as pH function in
a photo-Fenton system [19] has been analysed. Then, it is found that the formation of
the Fe(OH)2

− species in a photo-Fenton system potentially increases from pH = 2.0 until
reaching its maximum at pH = 5.5. Thus, the effect of pH on colour formation could
be associated with the presence of ferric hydroxide in the aqueous medium. The colour
reduction operating at values higher than pH = 5.5 may be due to the fact that from this
value, the formation of ferric hydroxide takes place, which would precipitate. This could
cause a decrease in the concentration of iron dissolved, diminishing the aqueous tint.

Figure 3b displays the effect of pH on the concentration of DO in the water, which leads
to verify a strong increase from pH = 2.0 to pH = 4.0, where the maximum concentration of
DO occurs ([DO] = 7.9 mg O2/L), and then, it decreases from pH = 4.0 to 6.0. This effect
could be explained with the Pourbaix diagram for iron, which presents the predominance
of the various chemical species in water for an element. Analysing the redox potential
diagram of the medium as a function of pH, it can be verified that the experimental redox
potential values measured for each pH (see Figure 3a) indicate that within the interval
between pH = 2.0 and 4.0, the iron would be in the Fe3+ form. Meanwhile, the values
analysed at pH = 5.0 would indicate that iron would be in the FeO4

2− form and at pH = 6.0
in the Fe2O3 form. This change in the nature of the iron species that would coexist in the
system could be related with the reactions of oxygen release.

2.3. Effect of Hydrogen Peroxide Dosage

During the oxidation treatment of aqueous carbamazepine samples, it is found that
the water acquires colour during the first 20 min of reaction (Figure 4a). It is verified
that the intensity of the tint depends on the dose of oxidant used. The results present
two clear trends in the kinetics of colour formation. On the one hand, operating with
low concentrations of oxidant, around [H2O2]0 = 2.0 mM, corresponding to stoichiometric
ratios of 1 mol CBZ: 10 mol H2O2, tint is generated in the water according to a ratio of
0.0086 AU/min, until reaching its maximum intensity (Colourmax = 0.353 AU) at 30 min
of reaction. Subsequently, the hue continues increasing but much more slowly, following
ratios of 0.0005 AU/min, until it arrives at the steady state (Colour∞ = 0.381 AU).
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Performing with oxidant concentrations greater than [H2O2]0 = 5.0 mM, corresponding
to stoichiometric ratios greater than 1 mol CBZ: 25 mol H2O2, the colour formation follows
the evolution of a reaction intermediate, with rapid colour formation during the first
minutes of oxidation, until reaching a maximum value, and decreasing until obtaining a
colourless solution. The oxidant dosage determines both the maximum colour generated
(Equation (1)) and the time in which the formation of the highest colour intensity occurs
(Equation (2)), as it is shown in Figure 4b. This result indicates that the stoichiometric
ratio of oxidant utilised determines the degree of oxidation achieved—that is, the stage of
the carbamazepine degradation mechanism reached and, consequently, the nature of the
intermediates that coexist in solution. As a result, the higher the molar ratio of oxidant,
the lower the intensity of the tint generated, so that the formation of coloured species is
reduced. The fact that under these conditions, a colourless oxidised residue is obtained
shows that operating in all conditions, the dose of oxidant is sufficient to degrade the
intermediates that provide tint to colourless species.

Colourmax = 0.3759 − 0.011 [H2O2]0 (r2 = 0.9988) (1)

tcolour max = 58.31 × [H2O2]0
−0.8813 (r2 = 0.9916) (2)

The results shown indicate the existence of two stages in colour formation based on
the carbamazepine degradation mechanism proposed in Figure 5. The first step takes
place during the first stages of decomposition and leads to the formation of highly tinted
species. This stage would involve hydroxylation reactions through the electrophilic attack
of the hydroxyl radicals to the olefinic double bond in the central and lateral heterocyclic
rings of carbamazepine, conducting to the formation of the corresponding hydroxylated
carbamazepines. The action of hydroxyl radicals can generate a new hydroxylation of
the molecule, leading to the creation of cis and trans-dihydroxy-carbamazepine [20]. The
formation of the rare cis isomer appears to be less than that of trans [21]. Finally, the
oxidation of these species would produce colour precursors, oxo and dioxo-carbazepines
(10-OH-CBZ, 9-OH-CBZ, EP-CBZ, OX-CBZ), due to the presence of chromophore groups
in their molecular structure.
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During the second stage, there would be the creation of additional species that coexist
with those generated in the previous stage, which provide less intensity of tint to the water.
In this case, it is possible to consider the formation of degradation by-products of the
carbazepine species, generating hydroxylated molecules of acridine (9-OH-acridine) and
the corresponding acridones that cause the additional contribution of colour.

Figure 6 shows the effect of the oxidant concentration used on several parameters
that indicate the quality of the water once it is treated. Analysing the tint of the oxidised
water, it is found that operating with concentrations [H2O2]0 = 2.0 mM, the oxidation
of carbamazepine leads to the formation of highly coloured species. On the other hand,
working with concentrations higher than [H2O2]0 = 5.0 mM, a colourless water is obtained.
Simultaneously, the redox potential shows an evolution characterised by a slight decrease
until reaching a minimum value ([Redox]min = −0.489 V) in [H2O2]0 = 2.0 mM, when the
maximum colour formation take place (Colourmax = 0.381 AU). Subsequently, it increases
practically linear with respect to the concentration of oxidant applied.

To explain this minimum value of redox potential, a relationship can be established
between the evolution of the potential and the reaction intermediates generated in the
different stages of the oxidation mechanism. Studies carried out on the effect of the
substitution of groups of different nature in aromatic rings indicate that they affect the
value of the redox potential of the molecule, increasing or decreasing depending on the
inducing effect of the substituent groups to accept or transfer electrons [17]. Therefore, if
ring substitution is favored, the redox potential value diminishes.

In the case of carbamazepine, there is a small stabilisation by resonance, which is
attributable to electronic delocalisation. When the ring loses the proton of the substituted
hydroxyl group, electron delocalisation increases, thus favoring stability and reducing
the redox potential. Therefore, based on these hypotheses, the minimum value observed
would be related to the maximum concentration of hydroxylated and dihydroxylated
carbamazepines in the reaction medium, which would be the precursors of the tint that
the solution acquires. By increasing the oxidant ratio, these intermediates are degraded,
increasing the degree of oxidation, and it is found that the redox potential of the system
evolves to positive values, which would indicate the formation of quinones and acridines.
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Figure 6. Indicator parameters of water quality analysed at the steady state: (a) Colour and redox potential. (b) Dissolved
oxygen and total dissolved solids. Experimental conditions: [CBZ]0 = 50.0 mg/L; pH = 3.0; [Fe]0 = 10.0 mg/L; [UV] = 150 W;
T = 40 ◦C.

The dissolved oxygen analysed in treated samples is consistent with their redox
potential values. It is observed that the DO concentration in water increases as the treatment
is conducted with higher concentrations of oxidant, up to a maximum operating point,
which corresponds to [H2O2]0 = 11.0 mM, with a DO = 8.4 mg O2/L. However, in the test
carried out using [H2O2]0 = 15.0 mM, the DO experienced a big decrease until values of
DO = 4.2 mg O2/L. These lower levels of DO are observed throughout the course of the
reaction, which could be due to operating with excess of oxidant with respect to the iron
concentration. On the other hand, the concentration of Total Dissolved Solids (TDS, mg/L)
remains constant in all the tests performed.

2.4. Effect of Iron Dosage

Figures 7 and 8 show the effect of catalyst concentration on the colour acquired by
oxidised carbamazepine solutions. Operating with different iron concentrations (Figure 7a),
it is observed that adding the iron dose established for each experiment increases tint to
the initial carbamazepine solution (Colour0, AU). The colour that the water gains shows a
second degree polynomial increase (Equation (3)) with respect to the concentration of total
iron supplied ([Fe]0, mg/L). The initial iron added to the solution in the form of ferrous
sulfate undergoes a series of equilibrium reactions between species, because the pH of the
sample is adjusted to pH = 3.0 (Figure 7b). For this reason, one part of the iron ions is in
a reduced state and the other is oxidised, being the ferric ions the providers of the tint to
the water.

When the oxidant is added and the oxidation of the carbamazepine begins, the hue
generated in the water increases until reaching a maximum value (Colourmax, AU) at
5 min after oxidation in all the tests conducted. This fact indicates that when using the
same concentration of oxidant, the degradation intermediates of carbamazepine formed in
water are similar species. Therefore, the colour peaks occur simultaneously, and following
identical kinetics, they are displaced in parallel. This linear displacement is established by
the iron concentration (Equation (4)).
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Figure 7. (a) Effect of iron on colour changes in a photo-Fenton system during the carbamazepine oxidation. (b) Ferrous ions
concentration in water solution during carbamazepine oxidation. Experimental conditions: [CBZ]0 = 50.0 mg/L; pH = 3.0;
[H2O2]0 = 15.0 mM; [UV] = 150 W; T = 40 ◦C.

Catalysts 2021, 11, x FOR PEER REVIEW 9 of 13 
 

 

  
(a) (b) 

Figure 7. (a) Effect of iron on colour changes in a photo-Fenton system during the carbamazepine oxidation. (b) Ferrous 
ions concentration in water solution during carbamazepine oxidation. Experimental conditions: [CBZ]0 = 50.0 mg/L; pH = 
3.0; [H2O2]0 = 15.0 mM; [UV] = 150 W; T = 40 °C. 

  
(a) (b) 

Figure 8. (a) Effect of iron dosage on water colour levels observed during the carbamazepine oxidation. (b) Relation-ship 
between total dissolved solids and the residual colour of water oxidized. Experimental conditions: [CBZ]0 = 50.0 mg/L; pH 
= 3.0; [H2O2]0 = 15.0 mM; [UV] = 150 W; T = 40 °C. 

On the other hand, the persistant colour that lasts in the oxidised sample (Colour ∞, 
AU) increases linearly with the iron concentration (Equation (5)). It is observed that both 
the maximum colour and the residual increase linearly with the total iron concentration, 
according to an average ratio of k Fe = 0.0075 AU L/mg Fe. Furthermore, it is found that 
they remain constant in all the tests: a difference between the maximum colour and the 
residual of 0.0843 AU. This tint value is explained by the contribution of iron species that 
can interact with the organic load of the water, forming metallic complexes, which are 
degraded during oxidation. As shown in Figure 8b, the lasting residual colour is provided 
by the iron species in suspension, which contribute linearly (Equation (7)) to the total sus-
pended solids (TDS, mg/L). 

Colour 0 = 0.0117 [Fe]0 − 0.0002 [Fe]02   (r2 = 0.9901) (3) 

Colour max = 0.132 + 0.0074 [Fe]0   (r2 = 0.9946) (4) 

Colour ∞ = 0.0477 + 0.0076 [Fe]0   (r2 = 0.9961) (5) 

0.0

0.1

0.2

0.3

0.4

0.5

0.6

0 10 20 30 40 50 60 70 80 90 100 110 120
Time (min)

C
ol

ou
r 

(A
U

)

[Fe]o=5.0 mg/L [Fe]o=10.0 mg/L

[Fe]o=20.0 mg/L [Fe]o=30.0 mg/L

[Fe]o=40.0 mg/L

0
1
2
3
4
5
6
7
8
9

10
11
12
13
14
15

0 10 20 30 40 50 60 70 80 90 100110120

[F
e2+

 ] 
(m

g/
L)

Time (min)

[Fe]o=5.0 mg/L

[Fe]o=20.0 mg/L

[Fe]o=30.0 mg/L

[Fe]o=40.0 mg/L

0.00

0.05

0.10

0.15

0.20

0.25

0.30

0.35

0.40

0.45

0 5 10 15 20 25 30 35 40

C
ol

ou
r 

(A
U

)

[Fe]0 (mg/L)

Residual Colour

Maximun colour

Initial colour

0.00

0.05

0.10

0.15

0.20

0.25

0.30

0.35

0.40

0 100 200 300 400 500 600 700 800 900 1000

R
es

id
ua

l c
ol

ou
r  

(A
U

)

TDS (mg/L)

Figure 8. (a) Effect of iron dosage on water colour levels observed during the carbamazepine oxidation. (b) Relation-ship
between total dissolved solids and the residual colour of water oxidized. Experimental conditions: [CBZ]0 = 50.0 mg/L;
pH = 3.0; [H2O2]0 = 15.0 mM; [UV] = 150 W; T = 40 ◦C.

On the other hand, the persistant colour that lasts in the oxidised sample (Colour∞,
AU) increases linearly with the iron concentration (Equation (5)). It is observed that both
the maximum colour and the residual increase linearly with the total iron concentration,
according to an average ratio of kFe = 0.0075 AU L/mg Fe. Furthermore, it is found that
they remain constant in all the tests: a difference between the maximum colour and the
residual of 0.0843 AU. This tint value is explained by the contribution of iron species that
can interact with the organic load of the water, forming metallic complexes, which are
degraded during oxidation. As shown in Figure 8b, the lasting residual colour is provided
by the iron species in suspension, which contribute linearly (Equation (7)) to the total
suspended solids (TDS, mg/L).

Colour0 = 0.0117 [Fe]0 − 0.0002 [Fe]0
2 (r2 = 0.9901) (3)

Colourmax = 0.132 + 0.0074 [Fe]0 (r2 = 0.9946) (4)

Colour∞ = 0.0477 + 0.0076 [Fe]0 (r2 = 0.9961) (5)
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[TDS] = 72.982 + 20.211 [Fe]0 (r2 = 0.9974) (6)

Colour∞ = 0.0004 [TDS] (r2 = 0.9826) (7)

3. Materials and Methods
3.1. Experimental Methods

Samples of carbamazepine aqueous solutions ([CBZ]0 = 50.0 mg/L, Fagron 99.1%)
were studied in a photocatalytic 1.0 L reactor provided with an UV-150 W mercury lamp
of medium pressure (Heraeus, 95%, transmission between 300 and 570 nm). Reactions
started adding the iron catalyst as ferrous ion ([Fe]0, mg/L), operating between [Fe]0 =
5.0–40.0 mg/L (FeSO4 7 H2O, Panreac 99.0%) and the oxidant dosage for each set of
experiments, which varied between [H2O2]0 = 0–15.0 mM (Panreac, 30% w/v). All the
experiments were conducted at around 40 ◦C in order to simulate real working conditions,
considering the heat absorbed by the water that is in direct contact with the UV lamp.
Assays were performed under different initial pH conditions (pH between 2.0 and 5.0) in
order to assess the effect of this parameter on colour formation during the oxidation of
carbamazepine aqueous solutions. Acidity was kept constant adding NaOH and HCl.

3.2. Analytical Methods

Carbamazepine concentration (CBZ, mg/L) was assessed along the reaction at λ = 210 nm
by a High-Performance Liquid Chromatograph attached to a spectrophotometer UV/Vis
(HPLC Agilent 1200). Analysis was performed by injecting manually 20.0 µL samples,
which were dragged by a carrier of 1.0 mL/min flow, consisting of a mixture of methanol
and distilled water MeOH/H2O: 80/20, through a Column C18, XBridge Phenyl 5 µm
4.6 × 250 mm (Bridge Waters), with limit of detection 0.1 mg/L.

Colour expressed in Absorbance Units (AU) was quantified by the absorbance of the
aqueous solution analysed at λ = 455 nm and ferrous ion ([Fe2+], mg/L) at λ = 510 nm
by the phenanthroline method using an UV/Vis Spectrophotometer 930-Uvikon [22].
Dissolved oxygen (DO, mg/L) was measured by a DO-meter HI9142. Total dissolved
solids (TDS, mg/L) were analysed by a TDS Metter Digital and Redox potential (V) by a
conductimeter (Basic 20 Crison).

3.3. Liquid Chromatography-Mass Spectrometry to Elucidate the Intermediates of Carbamazepine
Degradation

Samples were analysed by Liquid Chromatography-Mass Spectrometry to find the
carbamazepine degradation pathways that induce high levels of colour in the water during
the oxidation process. Analysis was performed with an LC/Q-TOF provided with an ioni-
sation source ESI + Agilent Jet Stream, with the following conditions: Kinetex column EVO
C18 (100 × 3 mm) 2.6 µm. Moving phase 0.1% Formic Acid (A): Acetonitrile 0.1% Formic
Acid (B). Gradient, %B: time (min): 20:0; 20:2; 100:24; 100:28; 20:30. Flow 0.3 mL/min. Col-
umn Temperature 35 ◦C. Injection volume 5 µL. Ionisation: Gas temperature 300 ◦C, drying
gas 10 L/min, nebuliser 20 psig, shelf gas temperature 350 ◦C, shelf gas flow 11 L/min,
frag 125 V. Vcap 3500 V.

A screening method was developed, allowing the elution and ionisation of the majority
of compounds in the sample. Before starting the analysis, the stabilisation of the system,
the reproduction in the signals, and the correction of the exact masses were checked. With
the aforementioned conditions, the chronogram shown in Figure 9 was attained.
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Figure 9. Chromatographic profile of a methanol blank (grey line) and of the sample (red line).

The search for compounds was performed using the Find deconvolution algorithm
by molecular features and a subsequent screening of the proposed compounds, based on
compounds detected in the blank, background noise, and minimum abundance of the
compound (Figure 10). Appendix A summarises the major ions (m/z) and the experimental
masses calculated for each of the compounds.
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4. Conclusions

The stoichiometric ratio of oxidant determines the degree of oxidation achieved, that is,
the nature of the intermediates that coexist in solution. Performing with low concentrations
of oxidant, corresponding to stoichiometric ratios of 1 mol CBZ: 10 mol H2O2, colour is
generated in the water until it reaches its maximum intensity (oxo and dioxo-carbazepines).
Subsequently, the tint continues to increase more slowly, until arriving at the steady state,
remaining a coloured aqueous residue that would contain hydroxylated acridines and
acridones. Applying concentrations higher than 1 mol CBZ: 25 mol H2O2, the colour
formation follows the evolution of a reaction intermediate, obtaining a colourless solution.

The initial iron added to the solution, in the form of ferrous sulfate, undergoes a series
of equilibrium reactions between species. This is due to the fact that the acidity of the
sample is adjusted to pH = 3.0 Therefore, a part of the iron ions are found in a reduced state
and the another in its oxidised, being the ferric ions that provide tint to the water. Both the
maximum colour and the persistent colour increase with the concentration of iron used in
the treatment, according to an average ratio of kFe = 0.0075 AU L/mg Fe. The maximum
tint would be generated by the iron species that interact with the organic load, forming
metallic complexes, while the lasting colour would be generated by the iron species in
suspension.
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Abstract: In this work, a study of the main operating variables affecting TiO2/UV photocatalysis
was carried out. The treatment of an industrial effluent containing aniline and benzothiazole from
the manufacture of accelerants for vulcanization was performed in a TiO2-supported commercial
photoreactor. The degradation of both contaminants was monitored by GC-MS analysis. The
proposed experiments were able to properly identify the phenomenon of adsorption, as well as
to improve the performance of the commercial photoreactor by adding small amounts of TiO2

in suspension. The removal performance, durability of the photocatalytic material, and energy
costs were analysed. The results showed that the use of suspensions intensifies the degradation
obtaining an improvement of 23.15% with respect to the use of the supported catalyst. For an aniline
and benzothiazole solution, the best operating conditions were found at pH = 12.0, introducing
60.0 mg L−1 of suspended TiO2 together with the existing supported catalyst.

Keywords: aniline; benzothiazole; photocatalysis; adsorption mechanism; TiO2/UV; supported
catalyst; suspended catalyst; commercial photoreactor; water treatment

1. Introduction

The industrial scale of many production processes has generated increasing amounts of waste
by-products that have been dumped into the environment assuming that nature itself would absorb
them properly. However, many of these compounds such as aniline (ANI) and benzothiazole (BT)
have been shown to affect the health of live organisms [1]. These pollutants are typical of effluents
from industries related to the manufacture of dyes for textiles, accelerators for vulcanization, oil
refining, biocides, paper and leather manufacturing, anticorrosive agents in antifreeze formulations,
and photosensitizers in photography [2,3].

Aniline and benzothiazole are two pollutants of concern due to their effects on the environment
and human health [4,5]. These chemicals are highly soluble in water, resistant to biodegradation and
have toxic effects [6]. In addition, together with the scarcity of information about the toxicity of BT,
which is known to cause acute toxicity in the aquatic environment, the US Environmental Protection
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Agency has included it in the Contaminant Candidate List 4 (CCL4) [7]. Only in the USA BT’s
production was around 450 t in 2016 [4,8]. Many of these pollutants cannot be completely eliminated
by conventional water treatment processes and consequently BT has been detected in drinking water
distribution networks that reach household taps [9]. Moreover, a study has been published showing
genotoxicity and growth inhibition caused by aniline in wheat crops. The low biodegradability, stable
chemical structure, and toxicity of this type of organic compounds prevent their removal in a biological
treatment [6].

The degradation of these non-biodegradable organic pollutants could be satisfactorily achieved
using advanced oxidation processes (AOPs). These processes could remove these contaminants
completely or make them less harmful to human health and the aquatic environment [10].

TiO2/UV photocatalysis can be an alternative to conventional processes or other AOPs with low
oxidation rates and high operating costs to treat recalcitrant and non-biodegradable contaminants [11].
This technology is proposed due to its low cost, operating temperature and atmospheric pressure, so it
does not require complex installations. Among the most commonly used photoactive materials, TiO2

stands out due to its high activity under UV radiation. Oxidation reactions take place near the catalytic
surface of the semiconductor. The electrons of the valence band under UV light move to the conduction
band generating a hollow electron pair. These electrons in contact with air reduce O2 by forming
superoxide ions. On the other hand, the generated holes oxidize the adsorbed water generating
hydroxyl radicals (HO−) on the TiO2 surface. Next, these generated radical species will be in charge of
oxidizing the organic compounds present in the aqueous reaction medium to produce CO2 [2,12]. The
extent of the degradation can be conditioned by the adsorption of the organic compounds [13–15].

Although photocatalysis in suspension is becoming important within AOPs, the recovery of the
catalyst has been always a challenge to its commercial implementation [2,16,17]. The immobilization
of the catalyst on a support could overcome this limitation [12,16,18–22]. For example,
in Kecskmét (Hungary) the Mercedes-Benz factory installed in 2016 a TiO2-supported photocatalytic
h2o.TITANIUM®equipment to treat the flush water of the factory for chemical-free purposes [23].
Many studies indicate that TiO2 can be supported on several materials such as pebbles, glass spheres,
silica gel beads, or cellulose. However, the simultaneous use of the catalyst supported on the wall of a
photoreactor as well as suspended has not been studied yet. This would be a way of improving the
performance of a commercial reactor of supported catalytic configuration.

The present work focuses on the improvement of commercial photoreactors for industrial
implementation, which have TiO2 supported to remove aniline and benzothiazole. Therefore, TiO2

suspensions will be introduced to increase the degradation in this hybrid system. The adsorption
and degradation of synthetic solutions containing aniline or benzothiazole using TiO2 catalyst under
different experimental conditions have been investigated. The adsorption equilibrium and kinetic
parameters were estimated from the adsorption experiments. In addition, a kinetic study of the main
operating variables of the photocatalytic process has been carried out with synthetic solutions of aniline
or benzothiazole, varying the initial pH of the solution, dose of catalyst in suspension, configuration
of the TiO2 and the effect of the mixture of both compounds was analysed. Finally, the operating
variables that lead to a higher removal percentage without generating difficulties and higher costs in
the recovery process of the catalytic particles of TiO2 were selected.

2. Materials and Methods

2.1. Reagents

Aniline (C6H5NH2, Acros Organics, 99.5%), benzothiazole (C7H5NS, Sigma-Aldrich, 97%),
hydrogen chloride (HCl, Merck, 37%), sodium hydroxide (NaOH, Panreac, 50%), dichloromethane
(CH2Cl2, Merck, >99.9%), and diphenylamine (C12H11N, Merck, 99%). Deionized water was supplied
by a Milli-Q water purification unit from Merck. The TiO2 Aeroxide®P25 catalyst was obtained from
Evonik Industries.
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2.2. Product Analysis

The quantification of each individual compound was determined by an Agilent 6890N gas
chromatograph coupled to an Agilent 5975 mass spectrometer. The chromatograph was equipped
with a 30.0 cm non-polar phase capillary column. The aqueous samples to be analysed, previously
adjusted to pH = 11.0 for the determination of aniline and pH = 3.0 for benzothiazole, are subjected to
an extraction with dichloromethane (with 0.1% diphenylamine as internal standard). A sample volume
of 0.4 µL is then injected into the GC/MS chromatograph (Agilent, CA, USA) in a program consisting
of an initial temperature of 60.0 ◦C for 2 min and a subsequent heating ramp of 12.0 ◦C min−1 until
280.0 ◦C is reached, a temperature that is maintained for 20 min. Other conditions: He is used as
carrier gas with a flow rate of 1.0 mL min−1; split ratio, 1:50. pH monitoring was performed with
a Knicks 911 pH meter. The degree of mineralization was quantified by Total Organic Carbon TOC
analysis in a Shimadzu TOC-VCSH Analyzer (Izasa Scientific, Alcobendas, Spain).

2.3. Determination of pHpzc

The point of zero charge of TiO2 P25 was determined by acid-base titration method according to
Silva et al. [24]. For this purpose, 50 mL of 0.01 M NaCl solution was transferred to 100 mL flask. The
values of these solutions were adjusted between 2 and 12 using 0.1 M HCl or NaOH. Then, 0.15 g of
TiO2 were added to the solution. After a contact time of 24 h, the final pH was measured. The final pH
measured were plotted against the initial pH. The point of intersection of the curve result in pHpzc.

2.4. Adsorption Experiments

The adsorption experiments were performed in the dark to obtain equilibrium and kinetic data in
the temperature ranged of 10–60 ◦C, pH of 2.0–12.0 for aniline and benzothiazole. All experiments were
carried out at constant temperature and pH. The isotherms were obtained by preparing suspensions
in which 500.0 mL solutions of aniline or benzothiazole were dissolved with 0.05 g of TiO2 catalyst
powder in 0.5 L jacketed reactor provided with a stirrer. The agitation was maintained constant at
1750 rpm in order to keep perfect mixing. The temperature was controlled by a refrigerating bath.
The adsorption equilibrium concentration was reached after the solutions were stirred magnetically
for 24 h in the dark. To remove the catalyst particles, the solutions were filtered through a 0.45 µm
membrane (MF-Millipore) before proceeding to the analysis of the concentration of each contaminant by
GC/MS chromatography. The amount of aniline or benzothiazole adsorbed onto TiO2 at equilibrium,
qe (mg g−1), was calculated using the Equation (1):

qe =
(C0 − Ce) ·V

M
(1)

where C0 and Ce are the initial and equilibrium aniline or benzothiazole concentration in mg L−1

respectively, V is the volume of the solution (L) and M is the mass of TiO2 (g). Similarly, the amount
adsorption of pollutant at time t (min), was calculated by Equation (2):

qt =
(C0 − Ct) ·V

M
(2)

where C0 and Ct are the initial at any time aniline or benzothiazole concentration in mg L−1 respectively,
V is the volume of the solution (L) and M is the mass of adsorbent (g). All adsorption experiments
were performed in triplicate and the mean values were used for the adsorption study. The maximum
standard deviation of measured concentrations was no greater than 0.052 mg L−1.
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2.5. Photocatalytic Experiments

The removal of aniline and benzothiazole was carried out in a photoreactor unit AOP 1 of
h2o.TITANIUM®. The experimental system consists of a tubular reactor, a mercury lamp and its
corresponding power supply, a 16.0 L mixing tank and a centrifugal pump (Figure 1).
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Figure 1. Schematic of the experimental equipment used to carry out the photocatalytic tests with
aniline and benzothiazole.

The reactor consisted of a titanium sintered monobloc with a volume of 2.15 L, length of 473 mm,
diameter 76 mm and thickness of 5 mm. The reactor had 2.3 mg TiO2 cm−2 deposited therein on a
structural substrate as a coating, as it is described in the patent US 2003/0059549A1 [25]. With regard
to the photoreactor arrangement, it was oriented vertically with the entrance orifice of the effluent on
the bottom, two orifices on the top and one on the side. The side one was used to insert the probe
containing a compact infrared temperature meter, together with a radiometer (PLS Systems AB, Sloga
Ingenieros S.L., Puertollano, Spain). The two remaining orifices were used to connect/disconnect
the pipe with the water to be treated. The reactor is equipped with a 26 W low-medium pressure
mercury UVC lamp (GPH436T5L/4-Eubizz Water, Eubizz Water, Høyanger, Norway) with a maximum
emission band at 254 nm enclosed in a quartz casing which provides a minimum dose of 400 J m−2,
equivalent to an irradiation intensity of 25.8 W m−2 [26]. The installation has a flowmeter (GPI
Electronic Digital Meter, GPImeters.com, NJ, USA) at the reactor inlet and a device (Pool Pump-72512,
The Pool Shop, Tauranga, New Zealand) to pump out the effluent with a flow rate of 0.5 m3 h−1, from
the homogenization tank to the reactor.

The experiments were carried out at a constant temperature of 25.0 ◦C to treat 16.0 L of synthetic
solutions of aniline or benzothiazole and mixtures of both with initial concentrations of 22.0 mg L−1,
maintaining a constant pH and adding TiO2 P25 catalyst between 20.0 and 120.0 mg L−1. The solution
was transferred to the mixing tank with the lamp switched off and in darkness to achieve adsorption
equilibrium. The natural pH of the synthetic solution of aniline (pH = 6.23), benzothiazole (pH = 5.45)
and a mixture of both (pH = 5.92) was adjusted with NaOH at 50% or HCl at 33% according to the
experiment and was kept constant throughout the experiment. The pump and agitator were switched
on at 1750 rpm. After 1 h, the adsorption equilibrium was reached. Then, the UV light source was
switched on. The reactive mixture was irradiated for 22 h. The samples collected for monitoring the
evolution of the photocatalytic reaction were filtered with a 0.45 µm (MF-Millipore) membrane (Merck
KGaA, Darmstadt, Germany) for further analysis.
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3. Results and Discussion

3.1. Characterization of TiO2 P25

The efficiency of the catalyst to remove pollutants and adsorptive properties could be affected by
its point of zero charge (PZC). When the surface of the catalyst is positively charged (pH < pHpzc),
interactions with anionic pollutants can be favoured (Equation (3)), whereas when it is negatively
charged (pH > pHpzc), interactions with cationic pollutants would be promoted (Equation (4)) [27].

pH < pHpzc TiOH + H+ ↔ TiOH+
2 (3)

pH > pHpzc TiOH + OH− ↔ TiO− + H2O (4)

The experimental curve obtained by the drift method for TiO2 P25 shown in Figure 2. The point
of zero charge, pHpzc, of TiO2 P25 was 3.5. The calculated value differs from the typical value of 6.5
based on two reasons. The first one is that the proportion of the existing groups on the TiO2 surface
(singly coordinated Ti3O0, doubly coordinated Ti2O2/3−, and triply coordinated TiO4/3−) with varying
pK constants are capable of modifying the pH of the isoelectric point. Secondly, the increase in the size
of the agglomerates is able to displace the zero point charged to lower pH values [28,29].
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Figure 2. Isoelectric point of TiO2 P25 catalyst determined by acid-base titration method.

Another important physical property of the catalyst is the surface area (S). It can be calculated
from Equation (5) [30,31] from adsorption data.

S = qmax · CSA · NA (5)

where qmax is the monolayer adsorption capacity (mg pollutant g−1 TiO2) obtained from Langmuir
isotherm model, CSA is the cross-sectional area occupied by aniline molecule (36.6 Å2) [32] and NA is
the Avogadro’s number (6.022 × 1023 mol−1). The specific surface area of TiO2 P25 was found to be
50.03 m2 g−1.

3.2. Effect of pH in Adsorption Process

The study of the effect of pH was carried out taking into account the load on the surface of TiO2

with respect to its isoelectric point [27]. Figure 3 shows the effect of pH in the range of 2.0–12.0 for
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the adsorption of aniline or benzothiazole on TiO2 starting from solutions of initial concentration of
22.0 mg L−1.

As observed in Figure 3 the effect of pH on the adsorbed amount of benzothiazole in TiO2 remains
almost negligible in the studied pH range with a value of 23.5 mg g−1. The fact that it remains
unchanged can be related to the isoelectric point of TiO2 found at pHpzc = 3.5 and to the speciation of
benzothiazole according to Equation (6):

C7H5NS(aq)+H2O(l) � C7H6NS+(aq)+OH−(aq) pKa= 0.85 (6)

According to the pKa of the reaction in Equation (6), the observed in Figure 3 is due to the fact
that benzothiazole in the pH range studied were in neutral form, therefore the effect of the electrical
charge on the adsorption equilibrium of this compound in TiO2 is very limited.

However, in the case of aniline adsorption a considerable increase in the amount adsorbed was
observed from 17.1 mg g−1 to an alkaline pH at a maximum of 122.78 mg g−1 at pH = 3.9. This could
be explained by aniline dissociation equilibrium [6]:

C6H5NH2(aq)+H2O(l) � C6H5NH3
+(aq)+OH−(aq) pKa= 4.61 (7)

The pKa of Equation (7) indicates that aniline at pKa > 4.61 is in its neutral state. While at an
acidic pH (pKa < 4.61) it is in the form of anilinium cation. If the isoelectric point of TiO2 is related
to the latter with a pHpzc > 3.5 the surface of the TiO2 catalyst would be negatively charged so at a
pH between 3.5 and 4.61 the aniline cation would be attracted by the negative charges of the external
surface of TiO2, improving the adsorption.
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Figure 3. Effect of solution pH on aniline or benzothiazole adsorption on TiO2 at equilibrium.
Experimental conditions: C0 = 22.0 mg L−1, [TiO2] = 100.0 mg L−1, T = 25.0 ◦C.

3.3. Adsorption Isotherms

To analyse the process of adsorption, various isotherm models such as Langmuir, Freundlich,
Temkin, Dubinin-Radushkevich, Elovich and Generalized isotherm were used to fit obtained
experimental data. Figure 4 shows the adsorption isotherms of aniline and benzothiazole on TiO2 at
10 ◦C, 20 ◦C, 40 ◦C and 60 ◦C at pH = 12.0 for aniline and at pH = 8.0 for benzothiazole [33].
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Figure 4. Adsorption isotherms of (a) aniline at pH = 12.0 and (b) benzothiazole at pH = 8.0 on TiO2

P25 catalyst at different temperatures.

3.3.1. Langmuir Isotherm

This model assumes that the adsorbate forms a monolayer on the adsorbent surface and adsorption
occurs over specific homogeneous sites on the adsorbent. There is also an absence of interaction
between the adsorbed molecules. Langmuir isotherm model linearized is given by the Equation (8) [34]:

Ce

qe
=

1
qmax · KL

+
1

qmax
· Ce (8)

where KL is the equilibrium constant related to the affinity of the binding sites (L mg−1). Model
parameters can be calculated from slope and intercept of linear regression Ce/qe versus Ce. According
to Meena et al. [35] the characteristics of Langmuir isotherm can be described by a separation factor
RL. This separation factor could be calculated from Equation (9). This factor indicates the nature of
adsorption according to the criteria shown on Table 1.

RL =
1

1 + KL · C0
(9)

Table 1. Nature of adsorption from Langmuir isotherm fitted equilibrium data.

RL values Adsorption Nature

RL > 1 Unfavourable
RL = 1 Linear

0 < RL < 1 Favourable
RL = 0 Irreversible

Table 2 shows the Langmuir adsorption isotherm values. Since RL values lie between 0 and 1
for aniline or benzothiazole adsorption onto TiO2, the adsorption process is favourable. According
to the values obtained of maximum adsorption capacity, the adsorption process shows an increase
in adsorption capacity as temperature increases from 20.08 mg g−1 to 23.75 mg g−1 for aniline and
from 25.06 mg g−1 to 27.47 mg g−1 for benzothiazole. This may be due to aniline or benzothiazole
molecules acquiring enough energy to experience an interaction with the active site on the surface.
The values of the Langmuir equilibrium constant suggest that there is a strong interaction between
aniline or benzothiazole with the TiO2 surface at high temperatures. However, at low temperatures
the KL value obtained (0.036 or 0.097 L mg−1) indicates that the interaction between adsorbate and
adsorbent is somewhat weaker.
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3.3.2. Freundlich Isotherm

This empirical model of multilayer adsorption assumes the existence of interactions between
adsorbed molecules. Freundlich equation can be defined by the following expression in linear form:

ln qe = ln KF +
1
n
· ln Ce (10)

where KF (mg g−1) (L mg−1)1/n is the Freundlich constant, indicative of adsorption capacity, and n
is the heterogeneity factor. Isotherm parameters can be calculated from slope and intercept of linear
regression ln qe versus ln Ce. A value of n less than one indicates the irreversibility of the process
and greater than one reveals favourable adsorption [36,37]. The values of the constants are presented
in Table 2. The adsorption capacity of TiO2 increases with temperature as it was observed with the
Langmuir model. The value of n > 1 is indicative of a favourable adsorption. However, the adjustment
coefficient is significantly lower, R2 ∼= 0.920, compared to the one obtained with the Langmuir model
(R2 ∼= 0.990).

3.3.3. Temkin Isotherm

Temkin’s model assume that the heat of adsorption decreases linearity with coverage due to
adsorbent and adsorbate interactions. This adsorption differs from a uniform distribution of the
bonding energies [37–39]. Temkin model can be applied in the linear form by the following expression:

qe = B1 · ln KT + B1 · ln Ce (11)

where KT (L mg−1) is the equilibrium constant corresponding to maximum binding energy and B1
is the variation of adsorption energy (kJ mol−1). These constants can be obtained from plotting qe

versus ln Ce and are presented in Table 2. The increase of KT equilibrium constant from 0.362 L mg−1

to 2.727 L mg−1 with the increase of the temperature in the case of aniline or from 0.931 L mg−1 to
2.459 L mg−1 for benzothiazole it could be related to heat of adsorption.

3.3.4. Dubinin-Radushkevich (D-R) Isotherm

This model describes the adsorption isotherms of single solute system. This isotherm is more general
than Langmuir isotherm and it does not assume the homogeneity of the surface or constant adsorption
potential [31,36,40]. The linear form of D-R model can be expressed from the following equation:

ln qe = ln qs − β · ε2 (12)

where qs (mg g−1) is the maximum amount of pollutant that can be adsorbed on TiO2, β (mol2 kJ−2)
is the activity coefficient related to adsorption energy and ε is the Polyani potential, which can be
calculated from this correlation [40]:

ε = R · T · ln
(

1 +
1

Ce

)
(13)

where R is the universal gas constant (8.314 J mol−1 K−1), T is the absolute temperature (K). The mean
adsorption free energy, E (kJ mol−1) per molecule of adsorbate can be calculate using this expression:

E =
1√
2 · β

(14)

According to the obtained values of adsorption free energy, the adsorption energy of benzothiazole
(12.70 kJ mol−1) is greater than the one obtained with aniline (2.50 kJ mol−1) at 60 ◦C. Regarding the
quality of the adjustment of the experimental data, it would be behind Langmuir’s model. Even so, the
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quality of the fit suggests, based on the peculiarities of the D-R isotherm model, that the predominant
mechanism is chemical adsorption in both cases.

3.3.5. Elovich Isotherm

This model assumes that adsorption sites increase exponentially with adsorption, implying a
multilayer adsorption [41,42]. The linear form of the Elovich model is described in the following equation:

ln
qe

Ce
= ln KE · qmax −

1
qmax

· qe (15)

where Elovich constant, KE (L mg−1) and maximum adsorption capacity can be calculated from the
slope and intercept of ln (qe/Ce) versus qe. Modelized parameters are presented in Table 2.

3.3.6. Generalized Isotherm

The expression of the generalized equation is shown below:

ln
(

qmax

qe
− 1
)
= ln KG − N · ln Ce (16)

where KG (mg L−1) is the saturation constant and N is the cooperative binding constant [36]. The
parameters KG and N have been calculated from the slope and intercept of the plot of ln (qmax/qe − 1)
versus ln Ce. Table 2 gives these values of generalized adsorption isotherm.

Table 2. Values of adsorption isotherm models for adsorption of aniline or benzothiazole onto TiO2 at
different temperatures.

Adsorbate Aniline Benzothiazole

Isotherm Model
Temperature, ◦C Temperature, ◦C

10 20 40 60 10 20 40 60

Langmuir

KL, L mg−1 0.036 0.138 1.568 13.314 0.097 0.419 5.958 61.528
qmax, mg g−1 20.08 21.14 22.62 23.75 25.06 26.11 26.89 27.47

R2 0.997 0.997 0.998 0.994 0.995 0.997 0.996 0.998

RL values 0.56 0.25 0.03 3.4 × 10−3 0.32 0.10 0.01 7.38 × 10−4

Freundlich

KF, (mg g−1)(L mg−1)1/n 0.84 2.99 16.82 23.14 3.485 5.413 25.295 27.303
n 1.28 1.69 10.52 131.58 2.00 2.90 55.87 555.56

R2 0.986 0.960 0.928 0.896 0.906 0.859 0.937 0.926

Temkin

KT, L mg−1 0.362 1.243 2.107 2.727 0.931 1.035 2.050 2.459
B1, kJ mol−1 4.34 4.78 5.42 6.11 5.5608 8.9068 10.115 15.192

R2 0.995 0.994 0.907 0.895 0.998 0.974 0.945 0.958

Dubinin-Radushkevich

qs, mg g−1 11.54 17.80 22.26 23.71 15.28 23.64 26.57 27.44
β, mol2 kJ−2 17.428 6.315 0.755 0.080 1.996 1.533 0.054 0.003
E, kJ mol−1 0.17 0.28 0.81 2.50 0.50 0.57 3.05 12.70

R2 0.990 0.942 0.965 0.993 0.908 0.977 0.967 0.999

Elovich

KE, L mg−1 0.064 4.733 18.415 33.360 0.300 2.254 24.890 37.601
qmax, mg g−1 12.47 4.65 0.59 0.16 11.15 2.21 0.31 0.03

R2 0.984 0.950 0.962 0.946 0.963 0.762 0.828 0.952

Generalized

KG, mg L−1 27.79 8.06 0.64 0.08 10.339 5.277 0.168 0.016
N 1.07 1.04 1.01 1.00 1.36 1.28 1.21 1.08
R2 0.999 0.989 0.986 0.995 0.903 0.920 0.952 0.991
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According to the R2 coefficient, the best fitting was obtained for the Langmuir isotherm model
for all temperatures and pollutants studied. This good agreement can be attributed to the following
causes according with Meena et al. [35]: (i) the formation of monolayer coverage on the surface of
TiO2 with minimal interaction among molecules of aniline or benzothiazole, (ii) all sites having the
same adsorption energies, and (iii) the maximum adsorption corresponds to a saturated monolayer of
aniline or benzothiazole on TiO2 surface.

3.4. Adsorption Kinetics Models

In order to study adsorption kinetics, five possible models have been presented. The pseudo-first
order equation, pseudo-second order equation, intraparticle diffusion, Elovich model and Bangham
model have been studied. Figure 5 shows the adsorption kinetics of aniline and benzothiazole on TiO2

at 10 ◦C, 20 ◦C, 30 ◦C, 40 ◦C and 60 ◦C at pH = 12.0 for aniline and at pH = 8.0 for benzothiazole.
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Figure 5. Evolution of the adsorbed capacity with time for effect of temperature (a) aniline at pH = 12.0
and (b) benzothiazole at pH = 8.0 on TiO2 P25 catalyst.

3.4.1. Pseudo-First Order Kinetic Model

The pseudo-first order model is based on the consideration that adsorption occurs through a
physisorption mechanism because the limiting stage is film diffusion. By controlling the velocity of
diffusion into the film, the velocity of adsorption will vary inversely with particle size, film thickness
and distribution coefficient. This model assumes: (i) the adsorption only occurs on localized sites,
(ii) the energy of adsorption process does not depend on surface coverage, (iii) maximum adsorption
corresponds to a saturated monolayer, and (iv) the concentration of aniline or benzothiazole is
considered constant, because it is provided in great excess [43,44]. Lagergren’s pseudo-first order
equation can be expressed in the following terms:

dqt

dt
= k1 · (qe − qt) (17)

where qt (mg g −1) is the amount of adsorbate adsorbed at time t, qe (mg g−1) is the adsorption capacity
at equilibrium and k1 (min−1) is the pseudo first order rate constant. The integration of Equation (17)
applying boundary conditions t = 0 to t = t and qt = 0 to qt = qe, leads to the following expression:

log (qe − qt) = log qe −
k1

2.303
· t (18)

The kinetic parameter can be obtained from the slope of a plot of log (qe − qt) versus t. The values
of k1 for the adsorption of aniline or benzothiazole onto TiO2 are given in Table 3.
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The correlation coefficient R2 shows that the pseudo-first order kinetic model is not the most
appropriate for adjusting experimental data (R2 ∼= 0.980), so physisorption does not appear to be the
adsorption mechanism taking place for both aniline and benzothiazole.

3.4.2. Pseudo Second Order Kinetic Model

The pseudo second order model assumes that in this type of adsorption the chemical reaction
seems significant, so the controlling stage is the velocity of the chemical reaction. Thus, the mechanism
that takes place is chemisorption. In this mechanism the adsorption kinetics corresponds to a second
order of a reversible reaction. The adsorption rate can be described as:

dqt

dt
= k2 · (qe − qt)

2 (19)

where k2 (g mg−1 min−1) is the pseudo second order rate constant. Integrating Equation (19) for the
boundary conditions t = 0 to t = t and qt = 0 to qt = qt and linearization leads to following expression:

t
qt

=
1

k2q2
e
+

1
qe
· t (20)

The equilibrium adsorption capacity kinetic parameter can be obtained with the slope and k2 is
obtained from the intercept of a plot of t/qt versus t. The values of k2 for the adsorption of aniline
or benzothiazole onto TiO2 are given in Table 3. According to the correlation coefficient obtained
(R2 = 0.990) the pseudo second order kinetic model shows a greater fit than pseudo first order model
(R2 ∼= 0.980). Contrary to the other models, this model predicts that the adsorption mechanism is
chemisorption and consequently, the reaction is the rate controlling step [43]. This prediction agrees
with the observation of an increase of adsorption of aniline or benzothiazole at high temperatures,
variable strongly dependent on chemical reactions.

Table 3. Kinetic parameters for the adsorption of aniline or benzothiazole onto TiO2 at
different temperatures.

Adsorbate Aniline Benzothiazole

Kinetic Model
Temperature, ◦C Temperature, ◦C

10 20 30 40 60 10 20 30 40 60

Pseudo-1st order

k1, min−1 0.001 0.006 0.026 0.053 0.084 0.001 0.005 0.019 0.043 0.097
R2 0.949 0.979 0.955 0.939 0.966 0.969 0.940 0.952 0.960 0.962

Pseudo-2nd order

k2, g mg−1 min−1 0.0002 0.0006 0.0021 0.0062 0.0513 7.87 × 10−5 0.0003 0.001 0.0034 0.0305
R2 0.993 0.996 0.999 0.991 0.998 0.995 0.997 0.998 0.991 0.999

Intraparticle diffusion

kdif, mg g−1 min−0.5 0.17 0.89 1.16 1.83 1.67 0.29 1.14 1.88 3.45 1.27
C, mg g−1 0.46 1.38 2.51 6.71 16.59 0.78 2.07 0.29 1.31 20.01

R2 0.986 0.998 0.932 0.881 0.756 0.984 0.998 0.979 0.975 0.880
Ri 0.98 0.93 0.89 0.70 0.30 0.97 0.92 0.99 0.95 0.27

Elovich

αe, mg g−1 min−1 0.05 0.43 1.61 7.87 2.18 × 105 0.07 0.47 1.55 4.72 6.00 × 103

βe, g mg−1 3.654 0.497 0.242 0.231 0.656 3.366 0.570 0.222 0.159 0.419
R2 0.880 0.932 0.995 0.978 0.950 0.931 0.948 0.981 0.999 0.956

Bangham

kB, g 0.36 5.58 44.03 174.70 469.67 0.58 6.47 44.35 193.85 573.80
A 0.935 0.755 0.445 0.220 0.036 0.950 0.757 0.484 0.235 0.035
R2 0.999 0.990 0.946 0.884 0.800 0.999 0.994 0.973 0.938 0.896
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3.4.3. Intraparticle Diffusion Kinetic Model

This empirical kinetic model explains the diffusion mechanism [37,39]. The functional relationship
is represented as:

qt = kdi f ·
√

t + C (21)

where kdif (mg g−1 min−0.5) is the intraparticle diffusion rate constant. The values of the intercept, C
(mg g−1) give an idea about the thickness of the boundary layer [37]. Kinetic model parameters are
shown in Table 3. Obtaining a value other than zero in parameter C is indicative of the coexistence of
the external diffusion step along with the intraparticular diffusion. According to Adam [31], the value
of C indicates that the amount is adsorbed in a short period of time. This magnitude can be measured
by the initial adsorption factor Ri as shown below:

Ri = 1− C
qmax

(22)

The criteria of Ri ratio of the initial adsorption amount is shown on Table 4:

Table 4. Initial adsorption factor means from intraparticle diffusion kinetic model fitted kinetic data.

Ri Values

Ri = 1 No exist initial adsorption
0.9 < Ri < 1 Weak initial adsorption

0.5 < Ri < 0.9 Intermediately initial adsorption
0.1 < Ri < 0.5 Strong initial adsorption

Ri < 0.1 Approaching complete initial adsorption

The Ri values obtained from Table 3 were found between 0.96 and 0.30 for aniline or benzothiazole.
This factor indicates that with increasing temperature the initial adsorption was stronger than at
low temperatures.

3.4.4. Elovich Kinetic Model

This kinetic model assumes that the adsorption occurs on localized sites and the energy adsorption
increases with the surface coverage. Additionally, the concentration of the TiO2 is considered to be
constant [42,44]. The linear form of Elovich model can be illustrated as follows:

qt =
1
βe
· ln(αe · βe) +

1
βe
· ln t (23)

where αe is the initial adsorption rate (mg g−1 s−1) and βe is the constant related to the extent of
surface coverage and activation energy for chemisorption (g mg−1). Table 3 shows the parameters
obtained from the Elovich model for experimental kinetic data. As can be seen, the initial adsorption
becomes stronger in both cases the higher the temperature, going from 0.05 to 2.18× 105 mg g−1 min−1.
This may be due to the fact that at high temperature the diffusion control is much stronger in a film
diffusion step.

3.4.5. Bangham Kinetic Model

This model allows to know how slow the adsorption stage in the process. The Bangham
equation [36] is given by:

log
(

log
(

C0

C0 − qt ·M

))
= log

(
kB ·M

2.303 ·V

)
+ A · log t (24)
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where kB (g) and A are constants of the Bangham system. The Bangham model responds to a diffusion in
the micropores [45]. Since the double logarithm is capable of modelling experimental data (R2 = 0.940)
it means that the diffusion of aniline or benzothiazole into the adsorbent pores is the phase that controls
the rate of adsorption.

The best fit model was selected based on the determination coefficient R2. According to that
criteria, the correlation coefficients were the highest (R2 = 0.990) for the pseudo-second order kinetic
model for all temperatures and pollutants studied. As described throughout this section, several
adsorption steps may be involved in the kinetic control regime, along with the main chemisorption
mechanism of aniline or benzothiazole. Some of these identified steps are summarized in the next
sections: (i) external mass transfer from the aqueous medium to the boundary film (ii) Mass transfer
from boundary film to TiO2 external surface (iii) Mass transfer in the pores (iv) Adsorption onto TiO2

active sites (strong initial adsorption at high temperatures) and (iv) Internal diffusion step (intraparticle
diffusion).

3.5. Thermodynamic Parameters

The influence of the temperature of adsorption of aniline or benzothiazole on TiO2 was studied
in the range of 10–60 ◦C. As observed in Figures 4 and 5, the adsorption of aniline or benzothiazole
increased with the temperature increase from 10 to 60 ◦C. This increase in TiO2 adsorption capacity
with temperature is indicative of endothermic processes [31,35,38]. This increase in adsorption can be
attributed to the favourable intermolecular forces between the adsorbate, aniline or benzothiazole, and
the adsorbent, TiO2, are much stronger than those between the adsorbate and the solvent. As a result
of all this, the increase in temperature to 60 ◦C makes the adsorbate easier to be adsorbed. Increased
adsorption can also be promoted by increasing the number of active sites available and decreasing
the boundary layer. As the temperature increases, the diffusivity through the pores is enhanced and
could contribute to increased adsorption. Other factors such as the external mass transfer could also
be favoured with the increase of temperature. All these hypotheses can be corroborated from the
evaluation of thermodynamic parameters.

The thermodynamic parameters: enthalpy, entropy and free energy changes, during adsorption,
can be calculated using the following expressions [35]:

∆G = −R · T · ln KL (25)

where ∆G is the free energy change (J mol−1), R is the universal gas constant (8.314 J mol−1 K−1), T
is the absolute temperature (K) and KL is the equilibrium constant (L mol−1). The determination of
enthalpy and entropy was carried out using Van’t Hoff equation [38]:

ln KL =
∆S
R
− ∆H

R
· 1

T
(26)

where ∆S is the entropy change (J mol−1 K−1) and ∆H is the enthalpy change (J mol−1). These
parameters can be obtained from the slope and intercept of ln KL versus 1/T. Table 5 summarizes
obtained thermodynamic parameters. The positive value of enthalpy change confirms that the
adsorption of aniline or benzothiazole onto TiO2 is endothermic. According with Adam [31], a value
of enthalpy change less than 84 kJ mol−1 indicates a physisorption mechanism, while a chemisorption
reaches typical enthalpy values between 84 and 420 kJ mol−1. In this work, enthalpy values of
92.78 and 101.26 kJ mol−1 for aniline and benzothiazole respectively confirm the hypothesis of
a chemisorption mechanism. The positive values of entropy change indicate the increase of the
randomness between solution and solid interface and, consequently, structural changes in the TiO2

and aniline or benzothiazole. The negative values of free energy change in both cases indicate the
feasibility and spontaneous nature of adsorption process [35].
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From the kinetic data taken at different temperatures between 10 and 60 ◦C, the activation energy
was estimated using the following expression [40]:

ln k2 = ln k0 −
Ea

R
· 1

T
(27)

where k2 is the pseudo-second order adsorption kinetic constant (g mg−1 min−1), k0 is the frequency
factor, R is the universal gas constant (8.314 J mol−1 K−1), T is the absolute temperature (K) and Ea

is the activation energy for the adsorption process (J mol−1). The activation energy was determined
from the slope of ln k2 versus 1/T according with Equation (27). The activation energy indicates the
type of adsorption. According to Fil et al. [40,42] an activation energy value between 0–88 kJ mol−1

indicates a physical adsorption while, between 88–400 kJ mol−1, indicates chemical adsorption. The
obtained values of activation energy for aniline (89.23 kJ mol−1) and benzothiazole (93.67 kJ mol−1)
also confirm a chemisorption mechanism.

Table 5. Activation energy and thermodynamic parameters of aniline or benzothiazole onto TiO2.

Adsorbate T
◦C

KL
L mol−1

∆H
kJ mol−1

∆S
J mol−1 K−1

∆G
kJ mol−1

Ea
kJ mol−1 k0

Aniline

10 3.35 × 103

92.78 395.13

−19.11

89.23 4.92 × 101220 1.29 × 104 −23.06
40 1.46 × 105 −30.96
60 1.24 × 106 −38.86

Benzothiazole

10 1.31 × 104

101.26 436.41

−22.31

93.67 1.44 × 101320 5.67 × 104 −26.68
40 8.05 × 105 −35.41
60 8.32 × 106 −44.13

3.6. Adsorption Effect on the Photodegradation of Aniline and Benzothiazole

In order to identify the controlling step during the photocatalytic process, the kinetics of aniline
and benzothiazole removal by adsorption and photocatalysis were adjusted to pseudo-first order
(Equation (18)) and pseudo-second order models (Equation (20)). The results of kinetics parameters
obtained by both models are presented in Table 6.

Table 6. Determined kinetic parameters of adsorption and photocatalysis processes for the removal of
aniline or benzothiazole with TiO2 catalyst. Experimental conditions: C0 = 22.0 mg L−1; T = 25.0 ◦C;
P = 1.0 atm; [TiO2] = 100.0 mg L−1; pH = 12.0 (aniline removal); pH = 8.0 (benzothiazole removal).

Pollutant Aniline Benzothiazole

Kinetics Model
Process

Adsorption Photocatalysis 1 Adsorption Photocatalysis 1

Pseudo-1st-order

k1 (min−1) 0.0124 0.0065 0.0097 0.0031
R2 0.963 0.999 0.957 0.997

Pseudo-2nd-order

k2 (g mg−1 min−1) 0.0035 0.00081 0.0005 7.39 × 10−6

R2 0.999 0.889 0.997 0.864
1 Adsorption process with simultaneous photocatalysis.

According to Table 6, slight differences in the fitting of the experimental data were observed, with
good results in general, except in the cases when the photocatalysis participates, and the pseudo second
order model is considered (R2 < 0.890). Supposing the overall photocatalysis process consist of an
in-series combination of adsorption and photocatalysis steps, the lowest step kinetic will determine the
rate of the overall process [46]. The pseudo first order model fitted the best overall process. Moreover,
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since the kinetic constant referring the photocatalysis step (k1 = 0.0065 min−1) is lower than that of
adsorption only (k1 = 0.0124 min−1), either for aniline or benzothiazole, the photocatalysis step is
postulated as the controlling one of the overall process.

3.7. Effect of pH on Photodegradation

The effect of pH was analysed with synthetic solutions of aniline or benzothiazole with
a C0 = 22.0 mg L−1 and different initial pH using the supported configuration of the TiO2

catalyst. Modelling the oxidation kinetics of aniline or benzothiazole requires a model approach
that satisfactorily predicts profiles in which the oxidation rate increases with the irradiation time
until reaching a point in which the velocity remains constant. This behaviour is reflected in the
Langmuir-Hinshelwood (L-H) model, a model widely used in photocatalytic reactions [47]. This
model considers that a surface reaction occurs in five consecutive steps: (i) diffusion of the reagent
molecules to the surface of TiO2, (ii) adsorption on the surface, (iii) reaction on the surface on which
product formation occurs, (iv) desorption of products and (v) diffusion of non-absorbed products
away from the surface of TiO2. L-H model is expressed according to Equation (28):

r = −dC
dt

=
k · Kad · C

1 + Kad · C
(28)

where, C is the aniline or benzothiazole concentration at time t (mg L−1), Kad is the L-H adsorption
constant (L mg−1), k is the kinetic constant (L mg−1 h−1) and r is the reaction rate (mg L−1 h−1). In this
study, since the initial concentrations of benzothiazole and aniline were lower than 1.0 × 10−3 mol L−1,
the product Kad × C << 1.0 and consequently Equation (28) could approximate to Equation (29) [48].

r = −dC
dt

= k · Kad · C (29)

Integrating, Equation (30) is obtained:

ln
(

C0

C

)
= k · Kad · t ≈ kapp · t (30)

where kapp is the kinetic constant of pseudo-first order (h−1). Figure 6 shows the removal kinetics
obtained for aniline or benzothiazole solutions at different pHs with only supported TiO2.
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Figure 6. Effect of pH on the photocatalytic degradation of; (a) aniline and (b) benzothiazole, using
only TiO2-supported catalyst. Experimental (dots) and pseudo-1st-order modelled (———) kinetic
results. Conditions: C0 = 22.0 mg L−1; T = 25.0 ◦C; P = 1.0 atm.
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Figure 6 shows that, in the case of aniline removal (Figure 6a), the photocatalytic oxidation rate is
favoured at alkaline pH (above pH = 12.0). However, operating at pH = 2.5 results in less degradation
rates, the formation of polyaniline on the lamp is induced [49]. This compound on the lamp surface
prevents the passage of UV light reaches the reactor wall TiO2 resulting in low degradation rate.

For the benzothiazole removal (Figure 6b), slower kinetics than those obtained in the case of
aniline were obtained. In this case the elimination is favoured at pH = 8.0. The lower degradation of
benzothiazole could be due to the presence of several oxidation intermediates by-products, negatively
charged, that compete with the initial compound [50].

The dependence of the kinetic constants of pseudo-first order for the degradation of aniline or
benzothiazole with pH are shown in Figure 7.
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Figure 7. Pseudo-first order kinetic constants, kapp, at different pHs, for photocatalytic degradation of
aniline or benzothiazole with only TiO2-supported catalyst. Experimental conditions: C0 = 22.0 mg L−1;
T = 25.0 ◦C; P = 1.0 atm.

In the case of aniline, there is an upward trend in the kinetic constant with pH, with a maximum
value of =0.327 h−1 at pH = 12.0. This maximum can be attributed to the good interaction between the
hydroxyl radicals located on the surface of the catalyst and aniline [50]. However, the decrease of kapp

at acid pH led to observed minimum value of =0.112 h−1 at pH = 2.5. The appearance of condensation
reactions that compete with oxidation reactions when polyaniline is deposited over the UV lamp [49]
explains this behavior. In the elimination of benzothiazole at pH = 8.0, a maximum in the degradation
rate was observed, with a value of kapp = 0.150 h−1.

3.8. Effect of TiO2 Suspended Catalyst Loading

The concentration of TiO2 in the photocatalytic reaction system directly affects the oxidation rate
of aniline or benzothiazole, where the amount of TiO2 catalyst is directly proportional to the overall
photocatalytic reaction rate. In this type of systems, it is common that initially a linear dependence
is maintained between introduced catalyst dose and oxidation rate until reaching a certain critical
concentration, from which the reaction rate begins to decrease due to the light scattering effect [50].
Figure 8 shows the removal kinetics obtained for aniline or benzothiazole solutions at different doses
of TiO2 in a hybrid system with supported catalyst of TiO2.
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Figure 8. Experimental (dots) and pseudo-1st-order modelled (———) kinetic results for photocatalytic
degradation of: (a) aniline operating at pH = 12.0 or (b) benzothiazole operating at pH = 8.0 carrying
out the treatment in a hybrid system with supported catalyst of TiO2 and different doses of TiO2 in
suspension simultaneously. Experimental conditions: C0 = 22.0 mg L−1; T = 25.0 ◦C; P = 1.0 atm.

In the case of aniline, a progressive increase in oxidation rate is observed when the existing
supported catalyst in the photoreactor is used simultaneously with introduced TiO2. Thus, with
a hybrid supported suspended configuration, 82% aniline removal was achieved, using a dose of
100.0 mg L−1 after 5 h of irradiation. However, with the addition of 20.0 mg L−1 of TiO2 only a 30%
removal was achieved for the same time. In the case of benzothiazole, the differences observed in
the degradation kinetics were not so relevant. Thus, with 100.0 mg L−1 TiO2 suspension a slight
improvement was observed obtaining a 58% removal, for a reaction time of 5 h, clearly lower than that
observed on aniline.

The effect of the simultaneous use of suspended and supported TiO2 catalyst on the pseudo first
order kinetic constants can be observed in Figure 9 according to the model proposed in Equation (30).

In the case of aniline, it is observed that initially a TiO2 load between 20.0 and 80.0 mg L−1, there
is a linear tendency between the dose of catalyst used and the obtained apparent kinetic constant.
Over a critical 100.0 mg L−1 TiO2 dose (kapp = 0.408 h−1), kapp begins to decrease. This phenomenon
may be due to a screen effect. Catalytic particles leads to an increase in turbidity, covering each other
and reducing the light received by the TiO2 suspended and also that supported on the wall [50]. The
consequences of this effect could be reduced with a reactor design in which the annular space between
the UV lamp and the reactor wall was as small as possible in order to facilitate the efficiency of the UV
light emitted [51].

In the degradation of benzothiazole, the influence of the catalyst dose on the apparent kinetic
constant is smaller than for aniline. A kinetic constant of kapp = 0.181 h−1 was obtained with a TiO2

dose of 100.0 mg L−1. The lack of significant improvements in the degradation of benzothiazole
suggests that the appearance of intermediate oxidation compounds, derived from the strong excision
of the aromatic ring, would lead to the generation of ammonia, nitrate, amide compounds such as
N-formyl-oxamic acid, and nitrous derivatives. These compounds of greater complexity than those
derived from the oxidation of aniline could compete with benzothiazole for hydroxyl radicals and lead
to a lower value of kapp [52,53].
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Figure 9. Effect of the suspended TiO2 dosage on the pseudo-first order kinetic constants for the
degradation of aniline or benzothiazole. Experimental conditions: C0 = 22.0 mg L−1; pH = 12.0
(aniline); pH = 8.0 (benzothiazole); T = 25.0 ◦C; P = 1.0 atm.

3.9. Photocatalytic Reactor Configuration

The reactors used for water treatment by photocatalysis can be classified into two main
configurations: reactors with suspended photocatalytic particles and reactors with immobilized
photocatalyst. Systems based on the use of suspended catalyst were preferred due to their large active
surface area per unit volume and the ease of regenerating once used with a simple wash with deionized
water [12,21,50]. The configuration supported does not require a downstream separation stage either
by decanting tanks or a cross-flow filtration system, to allow the reactor to operate continuously,
but requires maintenance processes for reuse the catalyst after each use as a result of fouling [19].
Catalyst fouling is due to the accumulation of adsorbed by-products on the surface and cavities of
the TiO2 support reducing received UV radiation. Besides, fouling also affects the blockage of the
active adsorption sites resulting in significantly reduced catalytic activity [54]. Therefore, oxidizing
fouling compounds would be required to fully recover the activity, with the consequent shutdown of
the system; this is one of the great challenges posed by this configuration.

The progressive loss of activity of the photocatalyst after several cycles has to be considered,
especially in the case of supported configurations [18,20,21], Figure 10 shows that the loss of activity
can be compensated thanks to the use of hybrid form of the supported catalyst and the introduction of
TiO2 in suspension in small concentrations (<<1.0 g L−1).
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Figure 10. Comparison between only supported and suspended-supported TiO2 for the degradation
of: aniline or benzothiazole, through the experimental (dots) and modelled (———) pseudo-first order
kinetics. Experimental conditions: C0 = 22.0 mg L−1; pH = 12.0 (aniline); pH = 8.0 (benzothiazole);
T = 25.0 ◦C; P = 1.0 atm.

Figure 10 shows that adding the optimal dose of 100.0 mg L−1 of TiO2 in suspension, for both
compounds, achieves higher yields than with the exclusive use of the supported catalyst. The
adjustment to a pseudo-first order kinetics of the C/C0 profiles, in the case of aniline, gave an apparent
kinetic constant variation from kapp = 0.327 h−1 to kapp = 0.408 h−1, while the degradation rate of
benzothiazole increased from kapp = 0.150 h−1 to kapp = 0.181 h−1. This represents an improvement
of 24.77% and 20.66%, respectively, respect to the only TiO2 supported configuration. With the
simultaneous use of both configurations, species that were previously adsorbed on the supported
catalyst could be oxidized. Thus, there would be no accumulation of degradation by-products, avoiding
blockage of the active sites and catalyst activity loss. The results obtained are promising since authors
such as Santiago et al. [21] or Velmurugan et al. [54] conducted studies comparing the mineralization
of imazalil and gelatin industry effluent using Evonik commercial suspension catalysts such as P25
and P90 and only supported configuration concluded that the suspension configuration resulted in a
higher degree of mineralization. Kete et al. [20] also studied the three catalytic configurations exposed
for the removal of RB19 dye. It obtained worse results in the hybrid configuration with respect to the
supported or suspended configurations due to the annular space of the reactor was 5.0 cm compared
to the 2.5 used in this work. Another relevant aspect to consider is the durability of catalyst, according
with Verma et al. [19] studies, the suspended catalyst maintains almost intact its catalytic activity after
more than 100 cycles compared to the supported catalyst that loses 20% of its activity. The proposed
hybrid configuration would avoid long stoppages in an industrial treatment plant for the regeneration
stage. Regarding the recovery of TiO2 particles, using a concentration of 100.0 mg L−1, instead of
2.0–3.0 g L−1 dosage used by Bansal et al. [18], would considerably facilitate their separation by means
of a tangential membrane filtration. Operating costs would not increase because of the improvement in
degradation yields of approximately 25%, since there is no need of having to resort to a highly complex
supported configuration using pebbles, glass spheres or silica gel beads [12,19–22].
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3.10. Simultaneous Removal of Aniline and Benzothiazole

The effect of a synthetic aqueous matrix of aniline and benzothiazole on operational conditions
was compared to each catalyst removal separately. In Figure 11, the oxidation of a mixture of both
contaminants with C0 = 22.0 mg L−1 was studied at pH = 12.0, and introducing 60.0, 80.0 and
100.0 mg L−1 of catalyst in suspension.
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Figure 11. Effect of the matrix on photocatalytic oxidation of aniline and benzothiazole using the
supported or supported configuration with addition of TiO2 in suspension fitted to the pseudo-first
order kinetic model (———). Experimental conditions: C0 = 22.0 mg L−1; T = 25.0 ◦C; P = 1.0 atm.

Figure 11 shows that the pH of the solution that pH = 12.0 gives rise to a higher removal efficiency
with a kapp = 0.341 h−1, for aniline, and kapp = 0.091 h−1 for benzothiazole. Under these conditions,
a higher generation of hydroxyl radicals is obtained compared to pH = 8.0, in which a kapp = 0.138
h−1 was obtained, for aniline, and kapp = 0.228 h−1 for benzothiazole. The mechanistic degradation
route of this binary matrix generates oxidation byproducts such as nitrobenzene, phenol, nitrate and
amidic compounds that compete with aniline and benzothiazole [13,52,53] for the hydroxyl radicals.
Most intermediates present a positive charge, which facilitates the interaction with the surface of the
TiO2 catalyst. The introduction of a suspended catalyst did not behave in the same way as when each
compound was studied separately. Therefore, it is necessary to reach an agreement that will lead
to the highest levels of elimination of both aniline and benzothiazole. This break-even point is at a
dose of [TiO2] = 60.0 mg L−1 with kapp = 0.220 h−1 for aniline and kapp = 0.181 h−1 for benzothiazole.
In any case, it seems to be evidenced that in global terms the introduction of TiO2 suspensions in a
photoreactor with internal TiO2 supported walls leads to an improvement in the oxidation of aniline
and benzothiazole, in addition to the advantages indicated in the previous section [18].

Additionally, the degree of mineralization obtained from the mixture of aniline with benzothiazole
was monitored using the supported configuration together with the addition of 60.0 mg L−1 of TiO2 in
suspension at pH = 12.0. Figure 12 shows the evolution of total organic carbon (TOC).
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Figure 12. Photocatalytic oxidation of aniline and benzothiazole mixtures monitored by total organic
carbon (TOC) with hybrid suspended-supported TiO2 configuration. Experimental conditions:
C0 = 22.0 mg L−1; [TiO2] = 60.0 mg L−1; pH = 12.0; T = 25.0 ◦C; P = 1.0 atm.

As shown in Figure 12, a complete TOC removal is not reached, unlike the primary degradation
of the aniline and benzothiazole mixture. This indicates that both compounds are easily transformed
into more recalcitrant reaction by-products.

3.11. Energy Consumption

In order to compare and quantify the energy cost of the improvement introduced in this
commercial photoreactor, the operating cost was estimated. The term electric energy per order
(EEO) is defined as the energy required to degrade a pollutant by an order of magnitude. EEO values
can be calculated from the following equation [55]:

EEO =
P · t · 1000

V · 60 · log
(

C0
Ct

) (31)

where P is the electrical power (kW), t is the irradiation time (min), V is the volume of treated effluent
(L), C0 and Ct are the initial at any time aniline or benzothiazole concentration in mg L−1 respectively.
Estimated energy costs for experiments with a mixture of aniline and benzothiazole are shown in
Figure 13.

The price of electricity that was considered for industrial consumers in Spain was 0.1059 € per
kWh [56]. Under optimal conditions the suspended-supported photoreactor with 60.0 mg L−1 TiO2

(variant C of Figure 13) gives the lowest treatment cost (2.19 € m−3 order−1).
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Figure 13. Electrical cost estimation for photocatalytic oxidation of mixtures of aniline and
benzothiazole. Photoreactor variants: A and B, only supported TiO2 (pH = 8.0); C, D and E,
supported-suspended TiO2 at pH = 12. Conditions: A (pH = 8.0), B (pH = 12.0), C ([TiO2] = 60.0 mg L−1),
D ([TiO2] = 80.0 mg L−1), E ([TiO2] = 100.0 mg L−1).

4. Conclusions

In this work, the removal performance of aniline and benzothiazole has been improved in a
commercial reactor, getting the most favourable operational conditions using a hybrid photoreactor
based on the simultaneous use of supported and suspended TiO2 catalyst. Different operational
variants have been offered to enhance the photodegradation removal with small TiO2 concentrations in
suspension. The phenomenon of adsorption of aniline and benzothiazole on TiO2 P25 was studied. The
best adjustment was achieved to the Langmuir isotherm with parameter values of KL at T = 20 ◦C of
0.138 and 0.419 L mg−1 for aniline and benzothiazole, respectively. From the thermodynamic analysis,
a chemisorption type adsorption mechanism on TiO2 was deducted. Regarding the photocatalytic
oxidation, from the individualized analysis of each compound, the most favourable conditions for
aniline degradation was determined at pH = 12.0 (kapp = 0.327 h−1). On the other hand, at pH = 2.5
the poorest degradation rate was e obtained (kapp = 0.112 h−1), because of darkening effect of formed
polyaniline. In the case of benzothiazole, slower oxidation kinetics than for aniline were obtained
due to the presence of several negatively charged by-products that difficult the chemisorption process
on TiO2.

A 100.0 mg L−1 TiO2 suspended dose was found to be the most convenient either for
aniline (kapp = 0.408 h−1) or benzothiazole (kapp = 0.181 h−1) removal, in separate solutions. Higher
concentrated suspensions prevented UV light to reach the TiO2 on the reactor wall.

When treating samples with both compounds, pH = 12.0 was found the most convenient and a
higher removal (23% of the total pollutant amount), respect to the only supported catalyst, was obtained.
The optimal TiO2 dose used was 60.0 mg L−1, leading to the lowest energy cost: 2.19 € m−3 order−1.
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Abstract: This work presents an efficient method for treating industrial wastewater containing aniline
and benzothiazole, which are refractory to conventional treatments. A combination of heterogeneous
photocatalysis operating in a fluidised bed reactor is studied in order to increase mass transfer
and reduce reaction times. This process uses a manganese dioxide catalyst supported on granular
activated carbon with environmentally friendly characteristics. The manganese dioxide composite is
prepared by hydrothermal synthesis on carbon Hydrodarco® 3000 with different active phase ratios.
The support, the metal oxide, and the composite are characterised by performing Brunauer, Emmett,
and Teller analysis, transmission electron microscopy, X-ray diffraction analysis, X-ray fluorescence
analysis, UV–Vis spectroscopy by diffuse reflectance, and Fourier transform infrared spectroscopy
in order to evaluate the influence of the metal oxide on the activated carbon. A composite of
MnO2/GAC (3.78% in phase α-MnO2) is obtained, with a 9.4% increase in the specific surface of the
initial GAC and a 12.79 nm crystal size. The effect of pH and catalyst load is studied. At a pH of 9.0
and a dose of 0.9 g L−1, a high degradation of aniline and benzothiazole is obtained, with an 81.63%
TOC mineralisation in 64.8 min.

Keywords: MnO2/GAC composite; fluidised bed photoreactor; aniline; benzothiazole; sustainable
photocatalysis; industrial wastewater

1. Introduction

One challenge associated with wastewater treatment is the presence of recalcitrant
compounds, which are difficult to remove through conventional technologies [1]. Unfortu-
nately, many of these pollutants play a key role in everyday-use products and are contin-
uously added to aquatic environments through anthropogenic activities in sectors such
as agriculture, industry, transport, and energy [2–4]. Recalcitrant contaminants broadly
consist of high-molecular-weight hydrophobic molecules, including alcohols, phenols, and
nitrogenous and sulphur compounds [5].

These emission sources without proper water treatments increase recalcitrant pol-
lutants’ concentration in water, consequently damaging the environment and human
health [6]. Therefore, degrading these refractory pollutants has become one of the chal-
lenges listed in the Sustainable Development Goals (SDGs), more specifically in SDG 6,
towards mitigating their environmental impact by 2030. For this purpose, cost-effective
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treatment strategies should be developed to remove and mineralise these hazardous sub-
stances [7,8].

This study focuses on the removal of aniline (ANI) and benzothiazole (BTH) from
industrial effluents. These two recalcitrant pollutants are commonly found in the leather
and wood industry as well as in rubber chemicals production, specifically as raw materials
for the synthesis of vulcanisation accelerators. In particular, these two pollutants have
adverse effects on the health of organisms in aquatic environments and may also be tumour
inducers and allergens [6,9]. In addition, BTH (included in Contaminant Candidate List 4)
is not only found in industrial effluents but can also be detected in domestic wastewater
and airport runoff water [10–12]. Bioremediation studies have reported uncertainty about
the biodegradation of both compounds, especially aniline, owing to its genotoxic character.
For this reason, conventional biological treatment systems or active sludge has failed to
metabolise these pollutants [13,14].

Several technologies have been used to treat water containing ANI or BTH, such as
coagulation [15], activated carbon adsorption [16–18], ozonation [9,19,20], photocataly-
sis [21–23], wet oxidation [24,25], and membrane separation [26]. However, the imple-
mentation of these technologies has some limitations, such as the adsorption capacity of
the adsorbent, high disposal costs, high energy consumption, and low efficiency [27]. In
membrane separation, zero-waste generation is unfeasible, because this process produces
effluents with a high concentration of the target pollutants [26]. Moreover, adsorption
processes only transfer the pollutant to a new phase (solid waste), which needs further
treatment [28–30].

To overcome these major obstacles, photocatalytic degradation with new semicon-
ductor materials has recently attracted worldwide attention as a green technology capable
of degrading low-biodegradability organic and inorganic pollutants from industrial efflu-
ents [1,31,32]. Photocatalysis is a promising technology for degrading highly polluting
compounds into other harmless by-products or even for mineralising them into CO2 and
H2O. In addition, this low-cost technology can operate at room temperature [33–35].

Semiconductor photocatalytic materials are highly effective for treating wastewater
containing recalcitrant pollutants when irradiated by ultraviolet (UV) or visible light.
Some of the most widely used photocatalysts include TiO2, ZnO, and SnO [36–38]. In
addition to the aforementioned catalysts, transition metals, such as copper, vanadium,
nickel, and manganese, are being studied for their specific characteristics, including their
affordable cost, effectiveness, abundance, and sustainability [39]. Catalysts such as TiO2 or
ZnO, which could be widely used, are also associated with a series of drawbacks which
affect the sustainability of their processes regarding the light source used to initiate the
catalytic reaction. Their forbidden band (about 3.2 V) is so wide that they can only be
activated under UV light, thus precluding visible light activation [40]. Consequently,
establishing a photocatalytic process using clean and renewable solar energy would require
the improvement of photocatalysts to enhance their visible light absorption. In this context,
manganese oxides, whether supported or not on another material, could play a key role [41].

Manganese oxides have attracted attention in photocatalytic processes for the treat-
ment of recalcitrant contaminants for their different morphologies and crystalline structures
(α-, β-, γ- or δ-MnO2), in addition to their high efficiency, abundance, affordability (approx-
imately 75% less expensive than TiO2) [29], high reproducibility during the manufacturing
process, good adsorption properties, low toxicity, acid resistance, redox potential, and envi-
ronmental friendliness [42–44]. The α-MnO2 phase has demonstrated a higher potential
for removing organic compounds than the phases β-, γ-, and δ-MnO2, because α-MnO2
has the lowest oxidation state of all phases, according to Nawaz et al. [45]. Therefore, the
α-MnO2 phase has the highest catalytic activity, owing to its high redox power. MnO2 has,
as a function of the structure resulting from the synthesis process, a forbidden band energy
of approximately 1–2 eV, which enables its activation in the visible region and makes it a
highly competitive catalyst among other classical oxides [46,47]. Furthermore, manganese
oxides can improve their efficiency by supporting them on carbonaceous materials [48–50].
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As a result, modifying materials such as granular activated carbon (GAC) with manganese
oxides (see Table S1) could lead to a better photocatalysis performance for ANI and BTH
removal. For more details see Supplementary Materials.

In recent studies comparing different types of reactors, the authors have concluded that
integrating an AOP with packed-, fixed-, and fluidised-bed (FBR) reactors facilitates large-
scale operations and requires less oxidant and catalyst loading to degrade pollutants [51].
Nevertheless, Tian et al. [52] and Bello et al. [1] concluded that packed- and fixed-bed
reactors were not suitable for photocatalytic processes, because they cannot provide a
great surface area and mass transfer, and only a small fraction of the catalyst is exposed to
light. However, fluidised beds, which are widely used in other petrochemical, combustion,
or gasification applications would overcome these disadvantages by providing a good
mass transfer rate and uniform mixing of the liquid-solid (LS) contact, a robust design for
alterations in the starting effluent, a large-volume water-processing capacity, and a low
operating cost. Moreover, fluidised beds are easy to operate, scale up, and build [5,53].

Most published studies have demonstrated improvements in the performance of
processes which apply FBRs. Kanki et al. [54] studied the photocatalytic degradation of
phenol and bisphenol A in an FBR using TiO2-coated ceramic particles, reporting that
under the same oxidation conditions, the contaminant was removed four times faster
in this FBR than in other reactor configurations. Huang and Huang [55] achieved 98%
mineralisation of an aqueous stream containing phenol with an FBR-photocatalytic system
using FeOOH on glass spheres. In both cases, they concluded that the FBR system adapted
to a photocatalytic process improved light penetration and contaminant adsorption on
the materials.

Therefore, using a α-MnO2 catalyst supported on granular activated carbon (GAC) in a
photocatalytic FBR could achieve high removal and mineralisation rates, as well as facilitate
scaling up the process to the industrial level for treating industrial effluents containing
recalcitrant contaminants such as ANI and BTH, using an inexpensive, energy-efficient,
environmentally friendly, regenerative, and robust process with visible light.

In this work, we propose the implementation on a pilot scale of an efficient photocat-
alytic system with a novel MnO2/GAC catalyst operating in an FBR in order to remove
aniline and benzothiazole from an industrial effluent from the accelerator production
for rubber manufacturing. Such a system requires the development of a new catalytic
material supported on GAC, Hydrodarco® 3000 (HD 3000, Boston, MA, USA), using a
hydrothermal technique with low environmental impact and high reproducibility to pre-
pare the alpha crystalline phase, and adequately distributing α-MnO2 on the GAC surface.
The MnO2/GAC catalyst in the FBR system will avoid any subsequent separation oper-
ation. In addition, we studied operational parameters, such as pH and catalyst loading,
to show the potential of this global strategy based on the FBR-photocatalytic system for
subsequent scaling-up to an industrial level and increasing mineralisation yields and recal-
citrant compound degradation with the lowest environmental impact and economic and
energy costs.

2. Materials and Methods
2.1. Chemicals

Hydrochloric acid (HCl, Merck, 37%, Darmstadt, Germany), sodium hydroxide
(NaOH, Panreac, 50%, Barcelona, Spain), potassium permanganate (KMnO4, Probus, >99%,
Esparreguera, Spain), sulphuric acid (H2SO4, Sigma-Aldrich, 98%, St. Louis, MI, USA),
hydrogen peroxide (H2O2, Labkem, 30%), sodium bicarbonate (NaHCO3, Merck, >99.7%,
Darmstadt, Germany), sodium carbonate (Na2CO3, Merck, ≥99.5%, Darmstadt, Germany),
sodium chloride (NaCl, VWR, 99.8%, Radnor, PA, USA), dichloromethane (CH2Cl2, Merck,
>99.9%, Darmstadt, Germany), and diphenylamine (C12H11N, Merck, 99%, Darmstadt,
Germany) were used. Deionised water was supplied by a Milli-Q® water purification unit.
Hydrodarco® 3000 granular activated carbon was supplied by Cabot Corporation (Boston,
MA, USA).
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2.2. Catalyst Preparation

The MnO2/GAC material was synthesised using a hydrothermal preparation tech-
nique. This method was selected due to its simplicity, good reproducibility, and high
reliability. In addition, the size and morphology of the nanostructure could be easily
adapted to the granular activated carbon support.

The activated carbon was pre-treated with a piranha solution consisting of a (70:30 v/v)
mixture of H2SO4 and H2O2 for 24 h to remove any impurity derived from the GAC
manufacturing process and to prepare the GAC surface for active phase deposition [56];
subsequently, washing with deionised water and drying in an oven at 80 ◦C were carried
out. Then, 9.97 g of KMnO4 was dissolved in 228.36 mL deionised water and shaken for
5 min. Then, 21.19 mL of concentrated HCl was poured on the permanganate solution
dropwise for 15 min. The minimum amount of HCl required was used to prevent the poten-
tial loss of crystallinity in the final product and unwanted oxides such as hausmannite [57].
During the synthesis, at room temperature, the following reaction was performed:

2 KMnO4(aq) + 8 HCl (aq)→ 2 MnO2 (s) + 2 KCl (aq) + 3 Cl2 (g) + 4 H2O (l) (1)

where in the main reaction by-product is KCl. Then, 14.0 g of pre-treated GAC was added
to this solution under slow stirring for 1.25 h. Then, the mixture was transferred to a Teflon®

autoclave reactor and remained at 180 ◦C for 12 h in an oven. The resulting MnO2/GAC-
3 composite was washed several times with deionised water until the removal of the
excess of MnO2 and unwanted by-products and dried in an oven at 80 ◦C for 12 h. The
MnO2/GAC-1 and MnO2/GAC-2 catalytic materials were prepared with 1.94 g and 18.41 g
of KMnO4, respectively, corresponding to the stoichiometric ratio between KMnO4 and
HCl, according to Equation (1). The MnO2 nanoparticles (NPs) were synthesised following
the procedures used to prepare the MnO2/GAC-3 composite, without incorporating the
activated carbon support.

2.3. Analyses
2.3.1. Chemical Analysis

ANI and BTH removal was quantified by gas chromatography (GC) using an Agilent
6890N gas chromatograph (Agilent, Santa Clara, CA, USA) coupled to an Agilent 5975
mass spectrometer (Agilent, Santa Clara, CA, USA). The chromatograph was equipped
with a 30.0 cm non-polar phase column.

The aqueous samples were adjusted to pH = 11.0 for ANI and to pH = 3.0 for BTH.
The samples were prepared by extraction with CH2Cl2 (using 0.1% C12H11N as an in-
ternal standard). A sample volume of 0.4 µL was injected using the method described
by Ferreiro et al. [21]. The degree of mineralisation was quantified by total organic car-
bon (TOC) analysis on a Shimadzu TOC-VCSH analyser with ASI-V autosampler (Izasa
Scientific, Alcobendas, Spain). The colour was analysed using a PerkinElmer Lambda
10 UV–Vis spectrophotometer (PerkinElmer, Madrid, Spain) by directly measuring the
absorbance at 455 nm, and the aromatic ring rupture was determined from the sample’s
absorbance at 254 nm [58]. The turbidity was analysed using the turbidimeter Eutech
TN-100 (Thermo Scientific, Singapore), and the chemical oxygen demand (COD) concentra-
tion was measured using Merck Spectroquant® kits (Merck KGaA, Darmstadt, Germany).
Conductivity, temperature, dissolved oxygen, and pH were measured using a PCE-PHD1
multiparameter meter (PCE Ibérica, Tobarra, Spain). Total ammonia was determined by
YSI TruLine ion-selective electrode (Yellow Springs, OH, USA). The analytical methods
used to characterise the industrial influent are detailed in the Supplementary Materials.

2.3.2. Catalytic Material Characterisation

The catalytic material composite was characterised using several techniques to anal-
yse both its physical and chemical properties. The morphology and microstructure of the
smallest particles in each sample were analysed by performing high-resolution transmis-
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sion electron microscopy (HRTEM) on a Philips CM200 microscope (Philips, Eindhoven,
The Netherlands), with a LaB6 filament as an electron source operating at an acceleration
voltage of 200 kV. The microscope was coupled to an EDAX Genesis 4000 energy disper-
sive X-ray (EDX) spectroscopy platform (AMETEK GmbH, Weiterstadt, Germany) with
a Si(Li)-type detector with a Super Ultra-Thin window to analyse the chemical compo-
sition of both pristine GAC Hydrodarco® 3000 and MnO2/GAC-3 composite. Spectra
and images were acquired using the software EDAM IV (AMETEK GmbH, Weiterstadt,
Germany). The samples were dispersed in an equimolar ethanol–water mixture and ul-
trasonicated. Observations of the surface morphology of the smallest particles of the
composite and MnO2 nanoparticles were carried out on a MULTIMODE 8 atomic-force
microscope (AFM) Nanoscope V Bruker (Azbil Telstar Technologies, Terrassa, Spain). In
addition, scanning electron microscopy (SEM) using a JEOL JSM-7000F electron microscope
(JEOL B.V., Nieuw-Vennep, the Netherlands) was used.

MnO2/GAC-3 was characterised in a Malvern Panalytical Mastersizer 3000 particle-
size analyser (Malvern Panalytical, Malvern, UK). Other physical properties, such as the
pore size or specific surface area, were determined through adsorption–desorption analysis
with high-purity nitrogen (N2) at boiling temperature (−196 ◦C), using the Micromeritics
Surface Area and Porosimetry System (ASAP) 2010 high-performance gas adsorption
analyser (Micromeritics France S.A., Verneuil Halatte, France). Prior to the adsorption
experiments, the sample was degassed at 383 K for 3 h. The pore-size distribution of the
new catalyst was obtained by the BJH method [6].

The crystalline phase and crystal size were determined by X-ray diffraction (XRD) on
a Philips PW1710 diffractometer (Philips, Eindhoven, the Netherlands). The samples were
finely ground and subjected to CuKα radiation in continuous scan from 5◦ to 70◦ and at a
2θ angle sweep speed of 0.026◦ s−1. The data were analysed using the software Winplotr®

(Institut des Sciences Chimiques de Rennes, Rennes, France). The phases of the catalyst
were identified by matching each characteristic peak with the Joint Committee on Powder
Diffraction Standards (JCPDS) files.

The MnO2 content was measured by X-ray fluorescence (XRF) spectroscopy. From
each sample, a borated glass bead was prepared by melting in an induction micro-furnace,
the Spectromelt A12 flux (Merck KGaA, Darmstadt, Germany), with the sample using a 20:1
ratio. An oxidising agent was added to favour the elimination of all organic carbon and the
fixation of the inorganic oxides. The chemical analysis of the beads was performed under
a vacuum atmosphere using a Panalytical AXIOS wavelength-dispersion XRF sequential
spectrometer (WDXRF). The fluorometer is equipped with an Rh tube and three detectors
(gas flow, scintillation, and Xe seal) (Malvern Panalytical, Malvern, UK).

The dispersion of the deposited metallic active phase MnO2 on GAC was determined
by H2 chemisorption in a Micromeritics ASAP 2020 Plus analyser (Micromeritics France
S.A., Verneuil Halatte, France). The reduction was performed by degassing 0.35 g of
catalyst at 300 ◦C for 60 min, followed by reduction at a 50 mL min−1 flow with a 5%
H2/Ar gas stream at 350 ◦C for 2 h. The adsorption isotherm was performed with H2 at
35 ◦C. To assess the amount of chemisorbed H2, the adsorption isotherm was repeated,
gassing the sample again for 60 min, thereby determining the difference between the first
and second isotherms.

Surface functional groups of pristine GAC and MnO2/GAC composite samples were
identified using Fourier transform infrared spectroscopy (FTIR). Samples were ground in
an agate mortar, and the resulting powders were mixed with anhydrous KBr. A pressed
disc of the mixed sample was placed in a disc holder in a JASCO 4200 spectrometer (JASCO
Corporation, Tokyo, Japan) equipped with a deuterated L-alanine doped triglycene sul-
phate detector (DLATGS). Using Spectra Manager software V 2.14.02 (JASCO Corporation,
Tokyo, Japan), spectra were acquired in transmittance mode in the range 4000–400 cm−1

with an average of 64 scans and at a resolution of 4 cm−1. A pressed disc of pure KBr was
used as a background for each measurement.
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The chemical state of MnO2 deposited on the GAC support was determined by X-ray
photoelectron spectroscopy (XPS) on a Leybold-Heraeus LHS-10 spectrometer (Leybold
GmbH, Munich, Germany), with a twin anode Al/Mg X-ray source and a hemispherical
electron energy analyser (HSA). XPS measurements were performed with a 150 W X-ray
source, taking the C1s peak (284.8 eV) as reference with an uncertainty of 0.2 eV. The
samples were prepared on double-sided adhesive tape, compatible with high vacuum,
and the XPS data were fitted using the XPSPEAK41 program (Leybold GmbH, Munich,
Germany). Samples were measured in duplicate. Peaks’ deconvolution was performed
using a nonlinear Shirley baseline to subtract the background, as well as a combination of
Gaussian and Lorentzian type curves.

The point of zero charge (PZC) was determined using the method described by
Ferreiro et al. [6] on a NaCl solution with 0.100 g of composite, measuring the pH on a
CRISON GLP 22 pH meter (Hach Lange Spain, L’Hospitalet de Llobregat, Spain).

The optical properties to calculate the band gap of the new materials were charac-
terised by UV–Vis absorption spectroscopy (200–2200 nm) at 25 ◦C on the Agilent Cary
5000 UV–Vis–NIR spectrophotometer (Agilent, Santa Clara, CA, USA).

2.4. UV-A Pilot Plant Description and Experimental Procedure

Aniline and benzothiazole contained in industrial effluents were removed on an FBR-
photoreactor at pilot scale AOP 1 of h2o.TITANIUM® (patent US20030059549A1) [59],
which was modified for fluidised bed operation (see Figure 1).
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Figure 1. Schematic representation of the FBR-photoreactor at pilot scale used in the photocatalytic
and adsorption experiments for aniline and benzothiazole removal from industrial effluents.

The pilot plant consisted of a 47.3 cm long, 2.15 L stainless steel tubular reactor
with a 25 W polychromatic UV-A lamp (BL368/4-Eubizz Water, Eubizz Water, Høyanger,
Norway) (see Figure S1), protected by a quartz tube (Øint = 3.7 cm) and positioned axially
in a cylindrical stainless steel photoreactor (Øint = 7.6 cm). The pilot plant was operated in
batch mode with a recirculation flow rate of 0.75 m3 h−1 supplied by a 0.18 kW centrifugal
pump (Pool Pump-72512, The Pool Shop, Tauranga, New Zealand) and a total volume
of 10 L. The flow was controlled with a flow meter (GPI Electronic Digital Meter, Sparta,
NJ, USA).

The irradiated surface of the FBR-photoreactor (Sirradiated, m2) and the irradiated
liquid volume (Virradiated, m3) were estimated using Equations (2) and (3):

Sirradiated = 2× π× rint, FBR × Llamp (2)
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Virradiated = Llamp × π×
(

r2
int, FBR

− r2
int, lamp

)
, (3)

where Llamp is the length of the UV-A lamp (m), and rint, FBR and rint, lamp are the inner
radio of the FBR and inner UV-A lamp (m), respectively. The irradiated area was 0.05 m2,
with an irradiated volume of 1.63 L. To compare the energy consumption with other
reaction systems such as slurry reactors, the accumulated UV-A energy per unit of volume
(QUVA, kJ L−1) was calculated using Equation (4):

QUVA = Irradation dose× Sirradiated
V

, (4)

where the Irradiation dose (kJ m−2) is the product of the irradiance emitted by the UV-A
lamp in W m−2 multiplied by the exposure time in seconds. The irradiance emitted by
the lamp was monitored throughout the experiment using a radiometer (PLS Systems
AB, Sloga Ingenieros S.L., Puertollano, Spain). Under favourable operating conditions, a
maximum irradiance of 155.8 W m−2 was reached, which corresponds to a QUVA value of
13.04 kJ L−1.

The photocatalytic experiments were performed at a constant temperature of 26 ◦C, a
constant recirculation flow rate, and constant pH, with a variation of less than 3% in the
averaged physicochemical characteristics of the industrial effluent outlined in Table 1.

Table 1. Average physical–chemical profile of the industrial effluent containing ANI and BTH.

Parameter Value

Aniline (mg L−1) 12.0 ± 0.5
Benzothiazole (mg L−1) 12.0 ± 0.6

Dissolved oxygen (mg O2 L−1) 7.5 ± 0.37
pH 7.8 ± 0.1

Conductivity at 20 ◦C (µS cm−1) 605 ± 30
Chemical oxygen demand (mg O2 L−1) 45.46 ± 2.27

Total organic carbon (mg C L−1) 16.73 ± 0.53
Temperature (◦C) 26 ± 0.1
Turbidity (NTU) 1.01 ± 0.05

Aromatic ring rupture (AU) 2.453 ± 0.122
Colour (AU) 0.717 ± 0.03

Nitrite (mg NO2 L−1) 0.041 ± 0.001
Nitrate (mg NO3 L−1) 1.6 ± 0.1
Chloride (mg Cl L−1) 31.7 ± 1.6

Total phosphorus (mg P L−1) 0.05 ± 0.01
Phosphates (mg PO4 L−1) 0.07 ± 0.01

Total ammonia (mg NH4 L−1) 0.14 ± 0.01

The effluents were introduced into a mixing tank equipped with a mechanical stirrer
until complete homogenisation (10 min), adjusting the initial pH. An initial sample was
taken to verify the ANI and BTH concentrations. Subsequently, the dose of catalyst was
added, and the recirculation system was connected until it reached the adsorption equi-
librium (0.12 h). Then, the UV-A lamp was turned on, and the photocatalytic experiment
started. The samples were collected at regular intervals to analyse aniline and benzoth-
iazole degradation, as well as other physicochemical parameters. All experiments were
performed in triplicate, with an error lower than 5.3%. Similarly, all collected samples were
filtered with a 0.45-µm MF Millipore filter (Merck KGaA, Darmstadt, Germany) prior to
their analysis.
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3. Results and Discussion
3.1. Catalyst Characterisation

The type of composite structure used in the photocatalysis process may determine the
results. Figure 2 shows SEM and HRTEM images of powder MnO2, GAC Hydrodarco®

3000, and MnO2/GAC-3 structures.
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Figure 2. SEM (left) and HRTEM (right) micrographs of structures: (a,b) α-MnO2 nanoparticles;
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Figure 2a,b show that the α-MnO2 phase has a morphology typical of a basic octahe-
dral structure in the shape of needles, which are approximately 3 mm long and 50 to 250 nm
wide, with a smooth texture, similar to that observed by Nawaz et al. [45] in a comparative
study conducted with different manganese oxide phases. As shown in Figure 2b, defects in
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the amorphous structure could trap excited electrons, prolonging the separation of charge
carriers, which some authors have related to an increase in the organic pollutant degra-
dation efficiency [29]. However, the formation of particles agglomeration was observed,
which could lead to a reduction in the number of catalyst active sites available for the
photocatalytic reaction.

Figure 2c,d show the typical structure of microporous granular activated carbon with
highly rough edges, irregular cavities, and fine open pores, similar to that observed by
Alhamed et al. [60]. In contrast, the images in Figure 2e and f show spongy α-MnO2
nanoparticles that are approximately 5 µm in size and are responsible for increasing the
external surface and the interior of the pores. In addition, the nanoparticles were well-
dispersed, which increased the heterogeneity of the photocatalyst surface and helped to
develop a porous structure without agglomerated particles, thus preventing the blockage
of the pores and consequently reducing the catalytic and adsorptive properties of the
new composite. Semi-quantitative elemental analysis of an EDX spectrum indicated the
presence of Mn and C (see Figure S2).

Recently, Zhou et al. [50] doped ε-MnO2 samples with graphene, preparing a non-
homogeneous material with a specific surface 24.3% higher than that of the initial ε-MnO2.

Figure 3 shows AFM images of α-MnO2 nanoparticles, GAC Hydrodarco® 3000, and
the MnO2/GAC-3 composite. This technique revealed particles of 250 nm.

The morphological study of Figure 3a,b shows that α-MnO2 nanoparticles were
spherical, with a diameter of 30–40 nm, according to topographic images, forming large
structures consisting of 200 nm agglomerates. This behaviour was similar to that observed
by Khan et al. [61] after synthesizing α-MnO2 nanoparticles using a precipitation method.
In turn, Figure 3c,d show that commercial GAC had a rather uniform surface with small
irregularities of approximately 0.5 nm, which were attributable to the porosity of the
activated carbon. Finally, Figure 3e,f show that the particles were adequately dispersed
on the surface of the GAC. Figure 3e shows changes in the 1 nm surface, thus confirming
the MnO2 nanocrystals observed in HRTEM images. In addition, the comparison of the
image of phase changes in Figure 3d–f indicates that the synthesised composite material
MnO2/GAC-3 acquired significantly different properties. The MnO2/GAC composite
synthesis method proposed in this study represents a major development compared with
other procedures, such as that of Ma et al. [41], because the MnO2/GAC composites were
prepared by adsorption from solution. As a result, MnO2 homogeneously covered the
surface of the activated carbon. According to the SEM images, the agglomerates practically
blocked and rendered useless the internal porosity of activated carbon, thus decreasing the
ability of the composite to adsorb organic compounds [4,20].

The size of the activated carbon particles modified with MnO2 is a relevant property
required for the operation of an FBR [54]. The Geldart classification is one of the most
useful ways of classifying solids [1], and it is usually applied to an FBR in group B (with
a size between 100 and 800 µm) and group D (larger than 1 mm) particles [62]. Figure 4
shows the particle-size distribution assessed by laser diffraction spectrometry.

As shown in Figure 4, the average particle diameter was 1.3 mm, Geldart group D,
with a mean standard deviation of 0.15. Fernández et al. [63] assessed particle-size effects
on dissolved organic carbon (DOC) by comparing two size ranges of zeolitic supports
(0.2–0.5 mm and 0.5–0.8 mm, respectively).

Figure 5 shows the adsorption–desorption isotherms as well as the hysteresis curve and
pore-size distribution, which were calculated from the desorption data of the studied materials.
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Figure 5. N2 adsorption isotherm (a) and pore-size distribution (b) of synthesised α-MnO2 nanoparticles, commercial
activated carbon Hydrodarco® 3000, and three MnO2/GAC composites synthesised in this study.

Figure 5a shows that the initial amount of adsorbed N2 rapidly increased until it
attained a relative pressure of P/P0 = 0.2 before reaching GAC and MnO2/GAC composite
saturation. The isotherm of the composites, which was typical of microporous materials,
was associated with a type IV isotherm in which adsorbed N2 formed a monolayer, while
the second branch formed multiple layers. All four cases showed an H3 hysteresis loop,
which was associated with capillary condensation that occurs in the mesopores [64]. Con-
versely, α-MnO2 nanoparticles showed a type II isotherm, which is commonly found in
low-porosity or macroporous materials. The pore-size distribution of the composites and
GAC ranged from 200 to 500 Å, while the α-MnO2 nanoparticles ranged from 20 to 1000 Å.
This wider range may have resulted from the temperature applied during the hydrothermal
synthesis process, which was high enough to enable some degree of sintering and thus
obtain a practically homogeneous distribution for a wide range of sizes [65].

Table 2 outlines the physical properties of the new composites, α-MnO2 nanoparti-
cles, and GAC Hydrodarco® 3000. The results of Table 2 showed an increase (9.47%) in
the Brunauer, Emmett, and Teller (BET) specific surface area of the MnO2/GAC-3 com-
posite, which was 664.1 m2 g−1, in comparison to the value of 601.2 m2 g−1 for GAC
Hydrodarco® 3000. The external surface area increased from the initial 276.4 m2 g−1

for GAC Hydrodarco® 3000 to 345.49 m2 g−1 for the MnO2/GAC-3 composite. This in-
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crease was in agreement with topographic AFM images showing that the roughness of
the MnO2/GAC-3 composite significantly increased, and thus matching the HRTEM and
SEM images in which the MnO2/GAC-3 composite displayed a good distribution of MnO2
nanoparticles. In addition, the activation of the MnO2/GAC-3 composite by mild calci-
nation opened the pores, increasing the mean pore diameter (88.03 Å), as described by
Ghasemi et al. [66] and Ferreiro et al. [6]. In turn, a major drawback was observed in
the composites MnO2/GAC-1 and MnO2/GAC-2, because MnO2 nanoparticles formed
agglomerates and blocked the internal porosity of GAC.

Table 2. Results from N2 physisorption of the synthesised α-MnO2 nanoparticles, commercial active carbon Hydrodarco®

3000, and three MnO2/GAC composites prepared in this study.

Sample SBET,
m2 g−1

Sext,
m2 g−1

VT,
cm3 g−1

Vµ,
cm3 g−1

VM,
cm3 g−1

VM/VT·100
%

Vµ/VT·100
%

DP,
Å

α-MnO2 23.5 10.5 0.07 0.05 0.02 28.6 71.4 127.7
Hydrodarco® 3000 GAC 601.2 276.4 0.51 0.14 0.35 68.6 27.5 83.98

MnO2/GAC-1 496.1 294.1 0.49 0.09 0.38 77.6 18.0 81.28
MnO2/GAC-2 556.3 305.8 0.51 0.1 0.38 74.5 19.6 80.50
MnO2/GAC-3 664.1 345.49 0.62 0.13 0.48 77.4 21.0 88.03

The results of the MnO2/GAC-3 composite represent an improvement over previously
published preparation methods. For example, Liu et al. [67] synthesised MnO2/GAC com-
posites by electrodeposition to be used as an electrode with a smaller surface (625 m2 g−1)
compared with the original activated carbon (724 m2 g−1). Choi et al. [68] synthesised
composites with various MnO2 proportions using a simple hydrothermal preparation
technique, which led to a drastic decrease in specific surface area from the 1844 m2 g−1 of
the original activated carbon to 1017 m2 g−1 of the MnO2/GAC composite, with a 12.37%
MnO2 content. Yang et al. [69] managed to keep the physical properties of activated carbon
unchanged. In both cases, the authors highlighted that MnO2 deposition on GAC partly
blocked the carbon pores, thereby decreasing the specific surface area, and consequently
causing the loss of adsorptive properties of the activated carbon.

The crystallography of photocatalysts plays a key role in the optical, physical, and
chemical properties of these materials. Reddy et al. [23] made considerable efforts to control
the size of the synthesized nanoparticles, as well as the size of the crystalline phase, both
related to minimising the recombination of electron-hole pairs, the energy band gap, and
the surface area. Preparing a phase without impurities, such as α-MnO2, may help to
improve the interaction between the photocatalyst and the light source.

Figure 6 shows the XDR spectra of the MnO2/GAC-3 composite and MnO2 nanoparti-
cles prepared by hydrothermal synthesis. Figure 6a shows the typical diffraction peaks at
the positions 2θ = 21.2, 25.5, 36.6, 43.7, 50.3, 60.2, and 68.4◦, corresponding to an amorphous
carbon structure (JCPDS file No. 75-1621) and a tetragonal structure of α-MnO2 (JCPDS
file No. 44-0141). Figure 6b shows diffraction peaks at the positions 2θ =12.8, 18.1, 25.5,
28.6, 36.6, 37.6, 38.9, 42.1, 50.3, 56.2, 60.2, 65.4, 69.5, and 73◦ corresponding to a tetragonal
structure of α-MnO2 (hollandite). According to Thackeray [70], this crystalline structure
was made of double MnO6 octahedra in which the α-MnO2 structure tied at the edges to
form 1 × 1 and 2 × 2 tunnels of 1.89 and 4.6 Å, respectively.

The spectra in Figure 6 show that introducing MnO2 in the activated carbon structure
had no effect on the catalyst structure with respect to the formation of α-MnO2. However,
the intensity of the characteristic peaks of α-MnO2 was attenuated, which may be due to
changes in crystallinity resulting from GAC incorporation.
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Figure 6. XRD spectra of the MnO2/GAC-3 composite (a) and synthesised MnO2 powder (b).

The average size of the crystals, D (nm), was determined from crystallographic data
using the Debye–Scherer equation [71]:

D =
k× λ

β× cos θ
, (5)

where in k is the Scherer constant (0.94), λ is the length of the X-ray source (for Cu Kα,
λ = 0.15418 nm), β is the angular width based on the full width at half maximum (FWHM)
of the peak, and θ is the diffraction angle. According to Shen et al. [72], the crystal size may
introduce some error in the determination of β owing to stress effects of the crystal and
the instrument used to record the spectra. For this reason, the FWHM was corrected by
widening the instrumental line, b, thus recalculating the β value using Equation (6):

β =
√

FWHM2 − b2 (6)

Equations (5) and (6) were used to estimate the theoretical average crystal size of
α-MnO2 nanoparticles (2.68 nm) and the MnO2/GAC-3 composite (12.79 nm). The aver-
age sizes of the MnO2/GAC-1 and MnO2/GAC-2 composites were 18.06 and 14.30 nm,
respectively, owing to the formation of agglomerates, as previously mentioned [71].

Another relevant aspect of the new composite was the range of light necessary for
its photoactivation. Figure 7a shows the absorption spectra of α-MnO2 nanoparticles and
the three MnO2/GAC composites prepared in this study. α-MnO2 showed an intense
absorption band in the UV region below 500 nm. This band may be due to charge transfer
between the 2p orbital of oxygen and the 4d orbital of manganese [50].
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Figure 7. UV–Vis absorption spectra (a) and determination of the band gap values of the new catalysts (b).

The band gap was determined using the Tauc plot (Figure 7b) and the transformed
Kubelka–Munk function [71,73]:

α× h× ν = A× (h× ν− Bandgap)n (7)

[F(R)× h× ν]n = A× (h× ν− Bandgap) (8)

F(R) =
(1− R)2

2× R
, (9)

where ν is the vibration frequency (Hz), A is the absorbance (AU), h is the Planck constant
(4.135 × 10−15 eV s), R is the diffuse reflectance (%), and n has a constant value of 0.5
for direct transitions. According to Figure 7b, the band gap of each photocatalyst was
determined by representing Equation (8) as a function of the band gap and extrapolating
to the abscissa axis in its linear region.

As shown in Figure 7b, the band gap decreased from 1.81 ± 0.03 eV in α-MnO2
nanoparticles to 0.90 ± 0.03 eV in the MnO2/GAC-1 composite, while the band gaps
of MnO2/GAC-2 and MnO2/GAC-3 composites were 0.92 ± 0.03 and 0.95 ± 0.03 eV,
respectively. Therefore, the composite material resulted in the nanoparticle absorption
changing to longer wavelengths. Reducing the band gap made it possible to activate
the new composites under visible light. Improving the absorbance of visible light of
the new composites could improve photocatalytic activity, as more electron-hole pairs
can be generated. Moreover, the addition of a carbonaceous material could inhibit the
recombination of the photogenerated electron-hole pairs, as was previously reported in
other oxides such as TiO2 and Zn or Al oxides with carbonaceous structures [50,71,73].

The chemical elements and the oxidation state of the GAC Hydrodarco® 3000 and the
MnO2/GAC-3 composite were determined by X-Ray photoelectron spectroscopy (XPS).
Figure 8 shows the resulting spectrum, confirming the presence of Mn, O, and C.

Figure 8c shows that the intensity of the peak corresponding to O 1s1/2 (530.3 eV)
increased in the composite of GAC Hydrodarco® 3000 with MnO2. This increase may be
due to a possible change in the surface of the MnO2/GAC-3 composite in relation to the
original GAC, resulting from the formation of a new functional group associated with some
type of Mn–O–Mn bond [74]. Another relevant result in Figure 8b shows Mn 2p1/2 and
Mn 2p3/2 peaks with 654.0 eV and 642.2 eV bond energies, respectively. Choi et al. [68]
associated the Mn 2p3/2 peak with the oxidation state of Mn (IV) through the binding
energy at which the peak was detected. According to Xiong et al. [75], preparing a strongly
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oxidising active phase of manganese in its oxidation state (IV) was crucial, because under
this oxidation state, manganese deposited on GAC plays a key role in promoting the
generation of hydroxyl radicals and therefore providing photocatalytic processes with a
high performance of organic pollutant removal.
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peaks: (b) Mn 2p; (c) O 1s1/2; (d) C 1s1/2.

Regarding the detection of C 1s1/2, Figure 8d shows three types of bonds. At a 284.5 eV
binding energy, the peak is associated with a C–C bond. The peak at 286.1 eV likely corre-
sponds to a C–O bond, while the peak at 290.4 eV indicates a C=O bond. Therefore, no no-
table changes were observed between the original GAC and the MnO2/GAC-3 composite.

Figure 9 shows the FTIR spectrum of the synthesised α-MnO2 nanoparticles, the GAC
Hydrodarco® 3000, and the MnO2/GAC-3 composite.

The absorption band that was highlighted in Figure 9 in the 3100–3700 cm−1 range
was associated with a bending vibration of the O–H bond, which would correspond to
the water used to prepare the potassium bromide pellet [6]. The 1500–1700 cm−1 bands
would be associated with stress vibrations of groups with double bonds such as C=O or
their conjugated C–O bonds, as observed in the XPS spectra [76,77]. The band observed at
1118 cm−1 could correspond to a stretching vibration of the C–O bond. Finally, MnO2 was
identified from the absorption band at 546 cm−1, which would correspond to a stretching
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vibration of the Mn–O bond. The comparison of the spectra of the GAC Hydrodarco® 3000
and the MnO2/GAC-3 composite showed that during the process of MnO2 deposition, the
GAC surface changed significantly, as was found by other researchers such as Ma et al. [74].
These changes were shown by the disappearance of the bands at 1543 and 1662 cm−1,
which were replaced by a single peak red-shifted to 1551 cm−1.
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Figure 9. FTIR spectrum of the region between 4000 and 500 cm−1 of α-MnO2 nanoparticles, GAC
Hydrodarco® 3000, and MnO2/GAC-3 composite.

To better understand the chemical properties of the new MnO2/GAC composite and
their implications for the photocatalytic process, the point of zero charge (PZC), the degree
of dispersion of the active phase MnO2 on GAC, and the MnO2 content were measured
in the three MnO2/GAC composites synthesised in this study. Metal dispersion (Disp)
was calculated based on the coating of the H2 chemisorption monolayer in MnO2/GAC
according to Equation (10):

Disp =

(
Vmon

22414

)
× S×M× 100

Metal content
, (10)

where Vmon is the volume of the H2 monolayer in MnO2/GAC in cm3 g−1, S is the
stoichiometric factor of H2 to the Mn atom (S = 2) [78], M is the atomic weight of Mn
in g mol−1 (M = 54.938 g mol−1), and Metal content (%) is the weight percentage of the
deposited metal determined by XRF analysis. As shown in Figure S3, the amount of H2
chemisorbed on the catalyst surface was calculated as the difference between the first and
the second isotherms.

Table 3 outlines the chemical properties of each sample. The results indicate that
the MnO2/GAC-3 composite had the highest MnO2 content (3.78%). Although this ac-
tive phase content was modest when compared to the amount of MnO2 deposited by
Choi et al. [68] (MnO2 content of 12.37%) or by Liu et al. [67] (MnO2 content of 6.7%),
the hydrothermal preparation method presented in this study was different, because the
external surface of GAC was kept without obstructing its pores and channels and without
compromising the amount of MnO2 deposited on GAC. These findings were confirmed
by metal dispersion, because dispersion increased with the MnO2 content, with a 21.0%
Mn dispersion in the MnO2/GAC-3 composite. In turn, in the composites with low Mn
content, dispersion decreased as the surface area decreased. In the MnO2/GAC-1 and
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MnO2/GAC-2 composites, the decrease in Mn dispersion may have resulted from the
formation of particle aggregates, which blocked carbon porosity [72].

Table 3. Analysis and chemical properties of the synthesised α-MnO2 nanoparticles, commercial activated carbon Hydrodarco®

3000, and the three MnO2/GAC composites prepared in this study.

Properties
Sample

α-MnO2 Hydrodarco® 3000 GAC MnO2/GAC-1 MnO2/GAC-2 MnO2/GAC-3

pHPZC 2.60 7.25 7.10 6.85 6.61
Disp, % — — 15.5 17.3 21.0

MnO2, % N/A N/A 1.34 2.07 3.78
Al2O3, % — 0.66 0.41 0.57 0.77
Fe2O3, % — 0.26 0.15 0.36 0.34
SiO2, % — 6.96 7.27 7.72 6.02
MgO, % — 0.15 0.23 0.06 0.23
CaO, % — 0.11 0.15 0.11 0.09

Na2O, % — 0.01 0.01 0.01 0.01
K2O, % — 0.21 0.18 0.30 0.16
TiO2, % — 0.17 0.14 0.38 0.10
P2O5, % — 0.01 0.01 0.01 0.01

S, % — 0.21 0.34 0.22 0.12

The PZC of the new composites decreased slightly as the amount of deposited MnO2
increased, with a pHPZC of 6.61 for MnO2/GAC-3. The surface change could influence the
adsorption step in the photocatalytic removal of aniline and benzothiazole, because they
have dissociation constant (pKa) values of 4.61 and 0.85, respectively [21].

Consequently, the MnO2/GAC-3 composite would have the best properties for an
efficient use in an FBR-photoreactor.

3.2. Reaction in the FBR-Photoreactor

The application of an FBR in a photocatalysis process requires the careful determina-
tion of building and operating parameters. The lack of a clear and robust design method
could result in an ineffective FBR implementation in water treatment processes on an
industrial scale [63]. During its implementation, researchers often face common problems,
such as insufficient fluidisation or pneumatic entrainment of the catalyst, reactor failures,
and poor treatment due to a high dose of catalyst [53]. Consequently, not only the appro-
priate photocatalyst but also the correct design parameters are critical steps in correctly
configuring the photoreactor. Therefore, the reactor geometry and surface velocity of the
fluid are discussed below.

3.2.1. FBR Sizing

Reactor size affects photocatalyst mixing and mass transfer. With regard to geometry,
cylindrical reactors provide better mixing than those with rectangular geometry, because
dead zones prevent reaction bulk homogenisation. To stabilise feed flow and to minimise
eddies, backmixed zones, or sudden bed expansion due to highly turbulent flow, the
fluid should enter through a uniform cross-sectional area in flat-bottom reactors [79].
Furthermore, a 5◦ angle in the fluid inlet mouth would ensure the minimisation of the
problem of sudden bed expansion [54].

The aspect ratio between the height and the diameter of the FBR directly affects the
flow velocity of the fluid and therefore the mixture between the liquid phase and the
solid [5]. According to Bello et al. [1], a suitable aspect ratio for an FBR should be between
5 and 25 for a laboratory-scale installation and between 2 and 5 for a water treatment plant.
Consequently, the FBR was built with an aspect ratio of 6.22, according to the optimisation
by Ochieng et al. [80].
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Furthermore, other elements, such as the UV-A lamp, acted as baffle elements to
modify the flow and to improve the fluidisation of the MnO2/GAC-3 catalyst particles,
which promoted a more uniform mixture throughout the reactor. In this regard, authors
such as Nam et al. [81] used a drag tube and other elements within the FBR to improve
phenolic removal efficiency.

3.2.2. Catalytic Material and Surface Velocity of Fluid in the FBR

When assessing the catalyst particle-size effect on mass transfer and on fluid dynamic
properties, the specific area of the catalyst bed after fluidisation (aS) should be considered,
because a high aS leads to more satisfactory results [82]. The term aS of the FBR system,
which was 2.88 m−1, was determined from Equation (11):

aS =
6× (1− ε)

d× FS
(11)

where ε is the bed porosity, d is the mean particle diameter (mm), and FS is a shape factor
(FS = 1, for spherical particles). Together with the surface area, the density of catalyst
particles strongly influences the surface velocity of the fluid. In this regard, dense particles,
which consist of non-porous materials, will require a higher velocity than porous materials
such as activated carbon [79,83]. Hence, there are advantages of using activated carbon as
MnO2 catalytic support over denser α-MnO2 nanoparticles. Moreover, the surface velocity
is proportional to the energy needs of the process. Consequently, that velocity should
be slightly higher than the minimum fluidisation to minimise operational costs as much
as possible [1]. The minimum fluidisation velocity (Umf) was determined according to
Equation (12):

Umf = 16.5× d2 × (ρS − ρ)× g
µ

(12)

where ρS and ρ are the specific gravity of the MnO2/GAC-3 catalyst and water (g m−3),
respectively, µ is the viscosity of water (g m−1 h), and g is the gravitational constant (m h−2).
In this study, a velocity of 165.3 m h−1, which is similar to the minimum fluidisation velocity,
was used in the FBR system. Delebarre et al. [84] also worked with a fluid velocity near the
minimum fluidisation velocity. Working at a Uf much higher than the Umf would lead to a
shorter reaction time, albeit not offset by the higher operational cost.

3.3. MnO2/GAC Composite Testing in Photocatalysis for Aniline and Benzothiazole Removal
from Wastewater

Activated carbon is the adsorbent most commonly used in the wastewater treatment
industry for the effective retention of a broad spectrum of pollutants [85]. The removal
performances of adsorption and photocatalysis processes with MnO2/GAC-3 composites
were compared using an industrial effluent containing ANI and BTH. Figure 10 shows the
evolution of the primary degradation of both contaminants and the total organic carbon
(TOC) mineralisation.

Figure 10 shows that photocatalyst irradiation significantly improved ANI and BTH
removal compared with the adsorption process, both in terms of primary degradation,
completed after 5 h of irradiation, and in terms of mineralisation, which reached 86%,
showing that MnO2/GAC-3 had photocatalytic activity. To determine the contribution
of α-MnO2 deposited on GAC, the photocatalytic process and the adsorption capacity
of the GAC Hydrodarco® 3000, which was used as support to prepare the MnO2/GAC-
3 composite, were compared. The results presented in Figure S4 indicate that UV-A
irradiation of the GAC had no effect on aniline and benzothiazole removal or on the
mineralisation, regardless of the pH of the solution. These findings confirm that GAC
without α-MnO2 did not exhibit photocatalytic activity when using the light source.
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Figure 10. Removal efficiency of adsorption and photocatalysis processes for 12.0 mg L−1 of ANI (#) and BTH (•) at
pH = 9.0 with 0.9 g L−1 composite MnO2/GAC-3. Evolution: (a) primary degradation; (b) mineralisation.

The catalytic activity of the composites prepared in this study is compared in terms of
primary degradation and mineralisation in Figure 11.
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Figure 11. Comparison of the catalytic activity of MnO2/GAC composites. Evolution of the: (a) primary degradation of
ANI (#) and BTH (•); (b) mineralisation. Experimental conditions: C0 = 12.0 mg L−1; pH = 9.0; mCAT = 0.9 g L−1; Irradiation
dose = 155.8 W m−2.

As shown in Figure 11, the MnO2/GAC-3 composite had the highest degree of min-
eralisation (81.6%) and degradation of both ANI (84.7%) and BTH (67.0%) after 1.08 h of
reaction. The presence of a higher α-MnO2 content (3.78%) in the MnO2/GAC-3 composite
and the increase in BET surface area led to better removal results [86]. Crystal size could
also influence the electron-hole recombination [87], thus generally decreasing the photocat-
alytic activity as the crystal sizes increased. Therefore, the MnO2/GAC-3 size of 12.79 nm
was better than MnO2/GAC-1 (18.06 nm) and MnO2/GAC-2 (14.30 nm). The same trend
was observed by Khlyustova et al. [86].
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3.3.1. Kinetics of ANI and BTH Adsorption and Photodegradation with the
MnO2/GAC-3 Composite

To identify the controlling stage of the photocatalytic process, the degradation kinet-
ics of ANI and BTH were modelled under both darkness (adsorption) and UV-A light
(photocatalysis), fitting them to pseudo-first-order (Langmuir–Hinshelwood) [88] and
pseudo-second-order (Lagergren) [89] kinetic models, using the following equations:

dqt

dt
= k1 × (qe − qt), (13)

where qe (mg g−1) is the adsorption capacity at equilibrium, qt (mg g−1) is the amount
of ANI or BTH adsorbed at a given time t, and k1 (h−1) is the pseudo-first-order kinetic
constant; and

dqt

dt
= k2 × (qe − qt)

2 (14)

where k2 (g mg−1 h−1) is the pseudo-second-order constant. The kinetic parameters that
fitted the data shown in Figure 10 are presented in Table 4. The correlation coefficients
(R2) of the pseudo-second-order model were higher than 0.90, but they were low for the
pseudo-first-order model (R2 ≈ 0.67). Consequently, the pseudo-second-order model was
the most appropriate to describe the evolution of both adsorption and photocatalysis.
Assuming that the global photocatalysis process consists of a series combination of adsorp-
tion steps followed by the reaction, the kinetics of the slowest step will control the global
process [21,30]. Therefore, the adsorption step controlled the global process, because its
kinetic constant was lower than that of the photocatalytic reaction.

Table 4. Results from the kinetic modelling of the photocatalysis and adsorption process during ANI and BTH removal
using the photocatalyst MnO2/GAC-3. Experimental conditions: C0 = 12.0 mg L−1; pH = 9.0; mCAT = 0.9 g L−1; Irradiation
dose = 155.8 W m−2.

Kinetic Model Parameters

Process

Adsorption Photocatalysis

Aniline Benzothiazole Aniline Benzothiazole

Pseudo-1st-order
qe (mg g−1) 18.16 14.12 1.81 1.84

k1 (h−1) 0.479 0.509 1.208 0.914
R2 0.663 0.688 0.996 0.988

Pseudo-2nd-order
qe (mg g−1) 45.25 30.03 2.14 1.90

k2 (g mg−1 h−1) 0.084 0.113 1.442 1.169
R2 0.995 0.988 0.950 0.844

Nevertheless, the process can be affected by other experimental variables, such as pH
or catalyst dose [4], that will be studied in detail in the following sections.

3.3.2. Effects of pH and Catalyst Dose during the Photocatalysis Process for ANI and BTH
Removal with the Composite MnO2/GAC-3

The effects of the pH and catalyst dose on the photocatalytic activity of the process
were compared by simplifying a Langmuir–Hinshelwood kinetic model to a pseudo-first-
order kinetic model. This approach is widely used to describe photocatalytic processes
with various organic pollutants [73,90,91]. The rate equation was:

r =
dC
dt

= k× K× C
1 + K× C + ∑

i
Ki × Cint

≈ kapp × C, (15)

where r is the oxidation rate of the pollutants to CO2 (mg L−1 h), C is the concentration
of the reactants (mg L−1), kapp is an apparent first-order kinetic constant (h−1), t is the
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irradiation time (h), k is the kinetic constant of the reaction (mg L−1 h), K and Ki are the
Langmuir adsorption constants for C and reaction intermediates (L mg−1), and Cint is the
concentration of the various intermediate products of ANI or BTH degradation (mg L−1).

Another parameter which is frequently used to compare apparent first-order kinetics
is the half-life time t1/2 (h) (Equation (16)) [91]:

t 1
2
=

ln 2
kapp

(16)

The pH can affect the overall photocatalytic process with the MnO2/GAC-3 compos-
ite. For the highest photocatalytic activity, the most favourable pH will depend on the
surface charge of the catalyst and on the oxidation potential of the reaction. Consequently,
throughout the experiments, the pH was controlled to be kept constant. As a general rule,
according to Equations (17)–(19), the surface of the MnO2/GAC-3 catalyst would be posi-
tively charged when the pH of the dissolution was lower than the pHPZC. Conversely, the
surface would be negatively charged when the pH values were higher than the pHPZC [92].

Under acid pH conditions (pH < pHPZC):

MnO2/GAC + H2O→ Mn(OH)2/GAC + 2OH− (17)

Under neutral pH conditions (pH ≈ pHPZC):

MnO2/GAC + H+ → Mn(OH)+
2

/GAC (18)

Under alkaline pH conditions (pH > pHPZC):

MnO2/GAC + OH− → MnO−/GAC + H2O (19)

The experiments were performed at pH 3.0, 7.0 and 9.0 to assess the effect on ANI
and BTH degradation (Figure 12). The values of the kinetic constants (kapp) and half-life
time (t1/2) are outlined in Table 5. The experiments were properly fitted to the apparent
first-order kinetic model with a correlation coefficient R2 higher than 0.98. For both
mineralisation (81.6%) and degradation under UV-A light after 1 h of reaction, the most
favourable conditions were found at a slightly basic pH (pH = 9.0) with half-life times
of 0.39 h and 0.66 h for ANI and BTH, respectively. These conditions were favourable
because the negatively charged MnO2/GAC-3 catalyst in alkaline medium contributed to
electrostatic interactions with ANI and BTH, which were positively charged. David and
Vedhi [93] reported a similar response to an alkaline pH in the degradation of cationic dyes.
In addition, they observed that the generation of radical species increased as a consequence
of the reaction between the hydroxide ions and the photogenerated holes.

Table 5. Summary of the kinetic parameters and coefficients of determination (R2) of the photocatalytic process using
MnO2/GAC-3 composites after reaction for 1 h.

Effect kapp, ANI
(h−1)

t1/2, ANI
(h) R2 kapp, BTH

(h−1)
t1/2, BTH

(h) R2 Irradiation Dose
(W m−2)

pH 1

3.0 0.87 0.79 0.98 0.52 1.33 0.99 155.8
7.0 1.31 0.53 0.99 0.77 0.90 0.99 155.8
9.0 1.75 0.39 0.99 1.04 0.66 0.99 155.8

MnO2/GAC-3
dosage 2 (g L−1)

0.5 1.05 0.66 0.99 0.61 1.12 0.98 199.6
0.9 1.75 0.39 0.99 1.04 0.66 0.99 155.8
3.0 1.50 0.46 0.99 0.87 0.79 0.99 72.4

1 Experiments performed with a catalyst mass of 0.9 g L−1. 2 Assessment of the catalyst loading effect at pH = 9.0.
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Figure 12. Study of the pH effect on the photocatalytic removal of ANI and BTH from industrial effluents with the
MnO2/GAC-3 photocatalyst. Evolution of the: (a) primary degradation of ANI (#) and BTH (•) fitted to the apparent first-
order kinetic model; (b) total organic carbon (TOC) removal; (c) loss of aromaticity; (d) turbidity; (e) colour induction during
aniline and benzothiazole oxidation; (f) dissolved oxygen. Experimental conditions: C0 = 12.0 mg L−1; mCAT = 0.9 g L−1;
Irradiation dose = 155.8 W m−2; T = 26 ◦C.
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In turn, at acid pH values (pH = 3.0), both the catalyst and ANI and BTH, which were
positively charged, caused repulsion phenomena. Under these conditions, a more modest
yield was assessed for both mineralisation (42.3%) and ANI (60.8%), as well as BTH (42.5%)
removal. In addition, the half-life time of both ANI (0.79 h) and BTH (1.33 h) increased
considerably, corresponding to kapp = 0.87 and 0.52 h−1, respectively [50].

Other variables, such as the formation of condensation compounds, including polyani-
line, compared to other more easily oxidisable degradation intermediates, could explain the
worst results at alkaline pH conditions [20,21]. In addition, Zhou et al. [25] reported that
during BTH oxidation, organic radicals could react with each other by C–C coupling to gen-
erate dimers. These dimers in turn would react with BTH radicals to form macromolecules,
which were difficult to oxidise.

Parameters such as the loss of aromaticity (Figure 12c) or turbidity (Figure 12d) could
explain the differences in behaviour. Thus, the loss of aromaticity, which was expressed as
the decrease in absorbance at 254 nm, corresponded to a greater degradation, owing to the
breakdown of the aromatic structure. According to Sanchez et al. [94] and De Wever and
Verachtert [13], at pH = 9.0, absorbance decreased further, owing to the possible formation
of hydroxylated ANI intermediates such as resorcinol, catechol, p-benzoquinone, and
carboxylic acids, or 2-mercaptobenzothiazole and 2-hidroxibenzothiazole of BTH.

Similar to the aromaticity, the turbidity in this FBR-photoreactor indicated the presence
of insoluble high-molecular-weight degradation products [30]. High turbidity levels further
deteriorate the optical properties of the effluent and prevent light transmission to the
photocatalyst. To ensure an adequate reaction rate and optimal UV light use, the turbidity
should not exceed 5 NTU [36]. Figure 12d shows that the turbidity increased largely with
the decrease in pH, and was appreciably higher at pH = 3.0, reaching a value of 8.5 NTU;
this is in line with the most unfavourable conditions discussed above. Figure S5 compares
the turbidity values with those obtained from a photocatalytic experiment performed with
the GAC Hydrodarco® 3000 at different pH values. At acid pH, the turbidity was much
higher, approximately 10.8 NTU, thus matching the turbidity reached by the MnO2/GAC-3
composite, and this was most likely due to the formation of higher-molecular-weight
condensation intermediates such as polyaniline, as reported by Bard and Yang [95], or
macromolecules derived from BTH polymerisation [25]. In turn, at a pH of 9.0, the turbidity
was 4.3 NTU and was thus lower than the threshold indicated by Bodzek and Rajca [36].

In addition, during the photocatalytic removal of ANI and BTH, the colour of the oxidised
water also changed. Accordingly, these colour changes were observed by Jing et al. [19] during
the oxidation of effluents containing ANI and by De Wever et al. [96] and Derco et al. [97]
in effluents with BTH, with colours including pink, reddish orange, reddish brown, and
light yellow. Coloured intermediates were also observed in this work during the removal
of ANI and BTH, whose main intermediates could correspond to p-benzoquinone, phenol,
nitrobenzene, 2-mercaptobenzothiazole and aminophenol. Thus, a higher colour inten-
sity during the oxidation reaction represented lower pollutant mineralisation. Figure 12e
shows that the colour intensity increased to extreme values at pH values of 3.0 and 7.0
(Colour = 1.12 AU), owing to the generation of a greater amount of oxidised chromophoric
species. In turn, at pH = 9.0, both the maximum intensity (Colour = 0.97 AU) and the
residual colour (Colour = 0.28 AU) were lower, owing to favourable oxidative conditions.

Dissolved oxygen was another factor that affects the photocatalytic process, given its
key role during oxidation with MnO2/GAC-3 photocatalysts in providing efficient electron
scavenging to form O2

•− and subsequently HO• radicals, thus improving the efficiency of
the photocatalytic process [98,99].

As shown in Figure 12f, dissolved oxygen rapidly decreased throughout the pH range,
which was in agreement with the ANI and BTH oxidation rates shown in Figure 12a. The
absence of oxygen at pH = 9.0 for 10 min could explain the slowdown in the mineralisation
and primary degradation. Velo-Gala et al. [100] reported that in the absence of dissolved
oxygen, the process became inefficient, because only the positive holes of the photocatalyst
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remained actively transforming water molecules into hydroxyl radicals, and the lack of an
electron scavenger could not avoid the undesirable recombination phenomenon.

However, after 36 min of reaction, the oxygen concentration recovered slightly, albeit
much more strongly at pH = 9.0, because the reaction system was fed from an open
reservoir, which could explain this natural reoxygenation process [98].

In short, a pH of 9.0 provided the most satisfactory results in terms of oxidation,
regeneration, and efficiency of the photocatalytic process, owing to its higher photocatalytic
activity during the removal of ANI and BTH.

The dose of the catalyst used in the photocatalytic system was another key factor for
guaranteeing a good performance of the system and avoiding wasting catalytic materials.
The effect of the catalyst dose was assessed by varying the catalyst concentration in the
0.5–3.0 g L−1 range. Figure 13 showed the catalyst loading effect on ANI and BTH removal,
TOC conversion profiles, colour, turbidity, aromatic ring breakage, which was expressed as
absorbance at 254 nm, and dissolved oxygen.

Generally, as the catalyst dose increased, so did the number of active sites available
for adsorption and degradation processes on the catalyst surface [36]. This degradation
rate increased until a maximum value, after which the rate gradually decreased, with the
subsequent loss of photocatalytic activity. As shown in Figure 13a,b, the best ANI and
BTH removal yield was reached with a dose of 0.9 g L−1 and a constant of kapp of 1.75 h−1

and 1.04 h−1, respectively, with 81.6% mineralisation after 1 h of reaction was achieved.
Increasing the dose favoured the generation of e− and h+, which produced a greater
amount of hydroxyl radicals, thus improving the performance of the photocatalytic process
with the MnO2/GAC-3 catalyst [21,101]. However, upon reaching a dose of 0.9 g L−1, the
catalytic activity worsened, with a kapp of 1.50 h−1 for ANI and 0.87 h−1 for BTH for a
catalyst loading of 3.0 g L−1. The decrease in degradation rate might be due to reactions of
free radical species with each other when generated in excess, instead of degrading ANI
and BTH [21,102]. Furthermore, excessive catalyst loading could help to form agglomerates
and to increase the turbidity, reducing the photocatalytic activity. As a result, the light
could be scattered, thereby decreasing the radiation dose received by the photocatalyst
from 155.8 W m−2 to 72.4 W m−2 with doses of 0.9 and 3.0 g L−1, respectively [36].

The removal yields were higher than those reported in previous studies [21] using
other catalysts such as TiO2 in suspension in a hybrid reactor for the removal of ANI
and BTH from industrial effluents. In that study, a 22-h irradiation time was required
for the primary degradation of both potential contaminants. Furthermore, mineralisation
only reached 50%, which may be because it was more difficult to remove the reaction
intermediates than those initially present. In the present study, higher removal and miner-
alisation yields were achieved with shorter irradiation times than in other cases [21]. The
MnO2/GAC-3 catalyst led to characteristics and interactions between ANI, BTH and the
surface, which affected to a great extent the degradation rate, which was mostly determined
by the increased generation of radical species [103].

Other parameters, such as colour, turbidity, or loss of aromaticity, which were deter-
mined by the absorbance at 254 nm (see Figure 13c–e), decreased with a dose of 0.9 g L−1.
In addition, the lowest absorbance value at 254 nm demonstrated a high level of aromatic
ring breakage, which indicated a good oxidative action under these operational conditions.

To more practically evaluate the feasibility of the favourable operating conditions
studied for the FBR-photoreactor system and its biodegradability, the average oxidation
state (AOS) was estimated. This parameter is capable of indicating the degree of oxidation
of complex solutions, and it is especially useful for oxidation stages at which the initial
organic pollutant is a minor component compared to its degradation intermediates. In
turn, the AOS indirectly provides information on biodegradability without requiring that
the biological oxygen demand (BOD) be determined [104,105]. The AOS was calculated
using Equation (20):

AOS =
4× (TOC− COD)

TOC
, (20)
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where TOC was the total organic carbon (mol C L−1), and COD was the chemical oxygen
demand (mol O2 L−1). The parameter AOS can range from −4 at the most reduced state of
C to +4 at the most oxidised state of C. AOS values from 0 to +1 would represent suitable
conditions for biological organic removal [104]. Figure 14 shows the evolution of AOS over
time under the best operating conditions.

As shown in Figure 14, AOS increased throughout the photocatalytic process, reach-
ing a plateau after 1 h, with 84.7% and 67.4% primary degradation for ANI and BTH,
respectively, and 81.6% mineralisation. The results indicate that a larger number of ANI
and BT degradation intermediates were formed during the first 30 min of reaction, and
from that time on, no relevant changes occurred in the chemical nature of the degradation
intermediates, as the AOS value remained almost constant at 0.63 [106]. Consequently, the
intermediates that remained in solution did not alter substantially the biodegradability of
the treated effluent.

3.4. Stability of MnO2/GAC-3 after Photocatalysis and Treatment Cost Estimation

The ability of a photocatalyst to continuously maintain its catalytic activity for ANI and
BTH removal over successive cycles is crucial for its practical application. Consequently,
the MnO2/GAC-3 photocatalyst was subjected to six cycles of use. As shown in Figure 15,
the photocatalyst showed a similar catalytic activity after six consecutive 1-h reaction cycles,
maintaining an 84.7% ANI primary degradation and 67.0% BTH primary degradation,
with an 81.6% mineralisation.

No changes in catalytic activity were observed. Nevertheless, Lekshemi et al. [107]
observed that this could be due to a regeneration process of the MnO2/GAC-3 photocatalyst
taking place during the reaction, according to the following mechanism:

MnO(3+ or 2+)/GAC hv→
e−

MnO(4+ or 3+)/GAC (21)

O−2 + e− → 2O− → O2−(adsorbed on MnO2/GAC) (22)

n
(

Mn(4+ or 3+)/GAC
)
+ O2−(adsorbed on MnO2/GAC)→ MnO2 (23)

However, once the catalytic properties of the photocatalyst have been spent, it must
be disposed of as a solid waste. Additionally, the amount of catalyst used is small, so the
volume of waste generated would be low.

In addition, FTIR spectra of the photocatalyst were recorded before and after six
reaction cycles. Infrared spectrum analysis (Figure 16) showed no new vibration bands.

However, the band at 3416 cm−1 associated with a bending vibration of the O–H
bond qualitatively increased, owing to a higher water adsorption during the KBr pellet
preparation process. The bands at 2915, 2851, and 546 cm−1 showed no difference from the
fresh photocatalyst.

Nevertheless, the considerable increase in the absorption band corresponding to the
peak at 1551 cm−1 could be related to the bending mode of the adsorbed water molecules
when in contact with ANI [108]. Finally, the peak corresponding to the band at 1118 cm−1

also increased, most likely due to the adsorption and accumulation of compounds primar-
ily formed by low-molecular-weight organic acids derived from ANI and BTH degrada-
tion [76].
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Figure 13. Plots showing the variation in the effect of the MnO2/GAC-3 catalyst dose during the photocatalytic removal of
ANI and BTH from industrial effluents. Evolution of the: (a) primary degradation of ANI (#) and BTH (•) fitted to the
apparent first-order kinetic model; (b) total organic carbon (TOC) removal; (c) aromaticity loss; (d) turbidity; (e) colour
induction during aniline and benzothiazole oxidation; (f) dissolved oxygen. Experimental conditions: C0 = 12.0 mg L−1;
pH = 9.0; T = 26 ◦C.
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Figure 15. Reusability test for the photocatalytic degradation of ANI and BTH within six repeated cycles using MnO2/GAC-
3 catalyst. Evolution of: (a) primary degradation of ANI (#) and BTH (•); (b) mineralisation. Experimental conditions:
C0 = 12.0 mg L−1; pH = 9.0; mCAT = 0.9 g L−1; Irradiation dose = 155.8 W m−2; T = 26 ◦C.

The cost of an advanced oxidation process is very difficult to estimate, because factors
such as mass transfer, operating conditions, and initial pollutant load can affect the degrada-
tion pathway and the oxidation kinetics, and therefore the oxidation efficiency [109]. For a
direct comparison, equipment or maintenance costs were omitted, because they depend on
the specific characteristics of each experimental system. Consequently, the cost of applying
the FBR-photoreactor was estimated and compared to that of other systems reported in
the literature that reach 90% of contaminant degradation. For this purpose, the previously



Materials 2021, 14, 5207 28 of 34

determined first-order kinetic constants (k, h−1) were used to estimate the time required
for 90% primary degradation of the contaminant (t90, h) according to Equation (24):

t90 =
2.3025851

k
(24)

Based on the t90 estimate as well as on the residence time of the reactor, the energy
density (ε, kW L−1) required for treatment was calculated according to Equation (25):

ε =
EA

Treated volume
, (25)

where EA (kW) is the average energy required for a treatment cycle calculated according to
Equation (26):

EA =
Pele × t× 1000

V × 60× log
(

C0
Ct

) , (26)

where Pele is the electrical power (kW), t is the irradiation time (min), V is the total treated
volume (L), and C0 and Ct represent the ANI and BTH concentrations (mg L−1) at the
start and at time t, respectively. The cost of a treatment cycle was calculated considering
the price of electricity for industrial customers in Spain, which was 0.0882 € kWh−1 [110].
In Table 6, the cost of a treatment cycle is estimated and compared to others reported in
the literature.

As outlined in Table 6, the FBR-photocatalytic system with the MnO2/GAC-3 catalyst
developed in this study for the removal of ANI and BTH from an industrial effluent costs
0.17 € m−3 in contrast to the value of 2.19 € m−3 [21] for a hybrid reactor or 0.29 € m−3 for
the FBR-Fenton system [5]. This system achieved high efficiencies, which could facilitate
its industrial implementation with MnO2/GAC-3 catalysts.
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Figure 16. Infrared spectrum of MnO2/GAC-3 before and after six cycles of reuse during the photo-
catalytic process for ANI and BTH degradation. Experimental conditions: C0 = 12.0 mg L−1; pH = 9.0;
mCAT = 0.9 g L−1; Irradiation dose = 155.8 W m−2; T = 26 ◦C.
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Table 6. Procedure and comparison of ANI and BTH treatment cost estimates.

Process Pollutant k
Treated
Volume

(L)

Pele
(kW)

t90
(h)

ε
(kW L−1)

V
(L)

V × ε
(kW)

Cost
(€ m−3) Ref.

FBR-Fenton ANI 1.739 h−1 0.859 0.012 1.32 0.014 238.26 3.33 0.29 [5]
Ozone ANI 2.003 h−1 1.0 0.200 1.14 235.43 1.0 235.43 0.81 [19]
Ozone BTH 1.296 h−1 5.0 0.200 1.77 1.84 5.0 9.20 2.76 [9]

Photocatalysis ANI and
BTH mixture

0.341 h−1 (ANI)
0.091 h−1 (BTH) 2.15 0.026

6.75 (ANI)
25.30

(BTH)
4.97 16.0 79.59 2.19 [21]

FBR-Photocatalytic ANI and
BTH mixture

1.75 h−1 (ANI)
1.04 h−1 (BTH) 1.63 0.025 1.31 (ANI)

2.21 (BTH) 0.057 10.0 0.57 0.17 1 This work

1 Considering the electric energy consumption of pumping.

4. Conclusions

A novel composite of granular activated carbon modified with MnO2 (MnO2/GAC)
was prepared by hydrothermal synthesis with KMnO4 solutions for its use in an FBR-
photoreactor for the treatment of an industrial effluent containing aniline and benzothiazole.
The study of the characteristics of the material highlighted the presence of the alpha-MnO2
crystal in the composite by XRD analysis. Similarly, SEM, HRTEM, and AFM images
showed an excellent dispersion of the MnO2 particles on the surface of the GAC, which
was confirmed by H2 chemisorption (21.0%) and N2 adsorption, showing a 9.47% increase
in the specific surface relative to the initial surface of the GAC (601.2 m2 g−1). In particular,
the band gap of this composite (MnO2/GAC-3) was 0.95 eV, which enabled its use under
visible light. XPS analysis confirmed the oxidation state (IV) of MnO2 deposited on GAC.
The catalytic activities of three MnO2/GAC composites with different MnO2 contents
were compared when applied to an industrial effluent. The MnO2/GAC-3 composite with
3.78% MnO2 content, which was determined by XRF, showed the best performance in
terms of primary degradation and mineralisation. The efficiency of the process could be
attributed to the use of a suitable combination of photocatalyst and FBR-photoreactor.
Parameters such as geometry, particle size, surface velocity of the fluid, pH and catalyst
dose were considered when establishing the most favourable conditions: pH 9.0 and
a dose of 0.9 g L−1 for ANI and BTH removal from an industrial effluent containing
12.0 mg L−1, achieving 84.7% and 67.0% removal for ANI and BTH, respectively, and 81.6%
mineralisation after 1 h of reaction. The degradation kinetics were modelled by fitting them
to a pseudo-first-order kinetic model, thus determining the following parameters for the
most favourable conditions: kapp, ANI = 1.75 h−1 and kapp, BTH = 1.04 h−1. Other parameters,
such as AOS (AOS = 0.63), indicated that the effluent treated in this study had optimal
conditions for returning to the water environment. The novel MnO2/GAC-3 photocatalyst
showed excellent stability after six cycles, with an economic cost of treatment of 0.17 € m−3,
thus showing a promising potential for practical applications. This study presents an
efficient technology for treating industrial effluents containing organic pollutants that are
not easily removed, using a novel catalytic and sustainable material.

Supplementary Materials: The following are available online at https://www.mdpi.com/article/10
.3390/ma14185207/s1, Figure S1: Spectrum of the UV-A lamp used in the experimental equipment,
Figure S2: EDX spectra of the materials used in the study, Figure S3: Determination of the H2
monolayer chemisorbed on the surface of the three MnO2/GAC composites synthesised in this study,
Figure S4: pH effect on the efficiency of the ANI and BTH removal process using GAC Hydrodarco®

3000 during the adsorption and photocatalysis processes, Figure S5: pH effect on turbidity during
the photocatalysis of industrial effluents containing ANI and BTH using the GAC Hydrodarco® 3000,
Table S1: Previous studies of photocatalysis using manganese oxides supported on carbonaceous
materials, Table S2: Limit of quantification values (LOQ) and limit of detection values (LOD) of
different parameters, Table S3: Linearity values of different parameters, Table S4: Specificity values
of different parameters, Table S5: Accuracy values of different parameters, Table S6: Precision values
of different parameters.
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Analysis of the effect of the operational conditions
in a combined adsorption–ozonation process with
granular activated carbon for the treatment of
phenol wastewater
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Ana de Luis c and Jose Ignacio Lombraña a

This work proposes a mathematical model as a basis for studying the combined adsorption–ozonation

process (Ad/Ox) with the complexity involved in a three-phase system. The description of this operation

involves several parameters that describe the system kinetics and adsorption phenomena. This paper

analyses the Ad/Ox process compared with simple ozonation, investigating the benefits of activated carbon

(AC) in ozonation, primary degradation and mineralization of phenol solutions. This study focuses on Ad/Ox

with granular activated carbon (GAC) and analyses how the phenol degradation kinetics depend on the

amount of AC. Thus, a priority order of relevance is established for the proposed mathematical model

parameters. For example, the adsorption kinetic constant may vary meaningfully within the same process.

Finally, this paper studies the GAC behaviour after a given number of cycles, followed by the regeneration

process. The calculated kinetic coefficients relating to the liquid and solid media explain the changes in

process efficiency.

1. Introduction

It is difficult to degrade certain organic compounds, such as
phenol. Phenol is chosen in this work to study the ozonation
process, which has been used as a possible alternative for
several decades.1,2 Phenol is mainly used to produce phenolic
resins, which are used in plywood manufacturing. It is also
used in household appliance manufacturing, as well as in the
production of caprolactam and bisphenol A, two intermediates
used in manufacturing nylon and epoxy resins.3,4

Phenol is highly irritating to the human skin, eyes and
mucous membranes after prolonged exposure. Short-term
inhalation may cause anorexia, diarrhoea, dizziness, and
dark-coloured urine. Long-term effects on the blood and liver
may occur. The lethal dose in humans may be as low as
14–214 mg phenol per kg.5 The United States Environmental
Protection Agency (US EPA) has classified phenol as a Group
D contaminant, not classifiable with respect to human
carcinogenicity.6 However, the European Union (EU) through
the European Chemicals Agency (ECHA) included this

pollutant in 2015 in the Community Rolling Action Plan
(CoRAP), because it is considered a suspect mutagenic
substance and a potential endocrine disruptor.7 In addition to
the human health effects, it can cause considerable damage
to the aquatic environment. For example, 1500 mg L−1 phenol
was lethal to Chilomonas and Euglena gracilis; at 2500 mg L−1

it was lethal to Peramena. At a dose of 10–40 mg L−1, phenol
inhibited the photosynthesis of Chlorella. An exposure to
50 mg L−1 phenol caused Pimephales promelas to lose balance
and gasp at the surface, while a dose of 6.3 mg L−1 caused
hyperactivity and rapid operculation in Salmo gairdneri. The
most critical sublethal effect of phenol is on the reproductive
potential of the biota. For example, an exposure to 5 mg L−1

phenol causes reduced fertility in Daphnia longispina.8

In this study, industrial wastewater with a representative
phenol concentration of 1000 mg L−1 was used. Phenols are
present in the wastewater of various industries, such as coke
oven industries (28–3900 mg L−1), coal processing (9–6800 mg L−1)
and petrochemical plants (2.8–1220 mg L−1). Other sources
containing 0.1–1600 mg L−1 phenols are pharmaceuticals,
plastics, wood products, varnish and paper industries.9,10

Several authors noted in the bibliography studied the
elimination of phenol from industrial wastewater, as shown
in Table 1. The processes studied to date require complex
treatment and reaction times long enough to achieve
complete degradation and a sufficiently high degree of
mineralization to avoid damage to the environment.
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Therefore, the ozonisation process is proposed as a clear
alternative for the elimination of phenol. Nevertheless, the
unstable characteristic of ozone makes its effective application
complicated, as demonstrated in several studies within recent
decades.11–13 This disadvantage leads us to consider the
convenience of combining ozonation with catalysts and
adsorbent materials such as activated carbon (AC).

In early attempts to add active carbon in ozonation, the
benefits were connected to the high adsorption capacity of
AC.14 Subsequent studies15–17 have shown that AC catalyses
the decomposition of ozone in the aqueous phase by
accelerating the transformation of free hydroxyl radicals.

Generally, ozone is adsorbed on the surface of AC at acidic
pH values, but the generation of hydroxyl radicals is minimal
by this route, since the predominant mechanism is the
molecular path. However, at a pH between 6 and 9, ozone
decomposition occurs and is catalysed by hydroxyl groups
adsorbed onto the AC surface.18 The mechanism of ozone
decomposition and the subsequent phenol oxidation in the
presence of activated carbon is shown below:2

O3 �!OH˙
˙OH (1)

AC + Phenol → AC–Phenol (2)

Table 1 Previous studies on the treatment of industrial wastewater containing phenol

Treatment Catalyst Operation conditions Comments Ref.

Noncatalytic wet air
oxidation

— [T] = 125–320 °C
[P] = 0.5–20 MPa

An extremely clean process because
it neither uses any harmful chemical
reagents nor produces any harmful final
products (carbon dioxide and water are
the products if a complete oxidation is achieved)

31

[Time] = 120 min
[% COD] = 75–90%
acidic media

TiO2/UV photocatalysis TiO2 [Cat] = 1 g L−1

C0 = 50 mg L−1
The oxidation of phenol under UV irradiation
and the presence of photocatalysts lead to
increased degradation. The immobilization
of the photocatalyst led to a reduction in
photoactive capacity compared to the use of
the suspended catalyst

32

[Time] = 90 min
[UV power] = 400 W
[%] = 100%
intermediate pH

Microwave in UV/H2O2

system
— [MW irradiation] = 2.5 GHz The introduction of microwave irradiation into

the system reduces the reaction time, increases
the reaction selectivity, reduces the activation
energy, reduces the equipment size and makes
the process easier to control

33
[% TOC] = 50%
C0 = 200 mg L−1

[H2O2] = 1200 mg L−1

T = 50 °C
[%] = 95%
[Time] = 30 min

Fenton reaction Fe/ZrO2 and 4%
Fe-sulfonated-ZrO2

C0 = 0.1 g L−1

[H2O2] = 0.5 g L−1
Sulfonation of zirconia followed by Fe
impregnation shows a positive effect on the
oxidative degradation and mineralization of
phenol. The catalyst maintains its activity even
after four cycles of regeneration and reuse

34

[Cat] = 2 g L−1

T = 25 °C
P = 1 atm
[time] = 6 h
[%] = 100%
[% TOC] = 64%
Acidic media

O3/CaĲOH)2 CaĲOH)2 C0 = 450 mg L−1

[Cat] = 2 g L−1
It is necessary to treat the catalyst as a solid
residue once spent. The mechanism for CaĲOH)2
intensified mineralization of phenol solution
is the simultaneous removal of CO3

2− ions as
hydroxyl radical scavengers, due to the presence
of Ca2+ ions

4

CO3,G = 75 mg L−1

QG = 3 L min−1

T = 25 °C
P = 0.25 MPa
[Time] = 55 min
[%] = 100%
[% TOC] = 100%

O3/Cu-AC Cu-AC C0 = 200 mg L−1 The presence of the Cu-AC catalyst enhances
the decomposition of ozone into hydroxyl
radicals. The CuO and surface oxygen groups
in the activated carbon have a slight effect
on the degradation of phenol

35
[Cat] = 2.5 mg mL−1

CO3,G = 11.2 mg L−1

pH0 = 4
T = 25 °C
P = 1 atm
[Time] = 30 min
[%] = 70%
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O3 !AC ˙OH (3)

˙OH + Phenol → Oxidation products (4)

O3 + AC → AC–O (5)

AC–O + AC–Phenol → Oxidation products (6)

AC–Phenol + O3 → Oxidation products (7)

AC–Phenol + ˙OH → Oxidation products (8)

Later, Beltran et al. and Sanchez et al. concluded that with
these processes, the complete mineralization of many
pollutants is possible.19,20 These authors studied O3/AC
systems in detail and showed that the surface chemistry of
activated carbon, along with its textural characteristics, plays
a very important role in its behaviour as a promoter of ozone
decomposition to hydroxyl radicals.

Ozonation combined with AC can operate in a batch
process, but it is generally sequential, which presents
disadvantages in application.21–23 In this work, the
simultaneous application of adsorption and ozonisation is
proposed, analysing the elimination of phenol as a
pollutant.24 AC's application together with ozonation
occupies a relevant place in recent works for its clear
advantages in catalytic heterogeneous ozonation. The
increasing development of new activated carbons25,26 and the
advantages associated with their dual functions (adsorptive
and catalytic) support the growth of this technology.27,28

Despite the findings in this field,29,30 it is necessary to
detail the combined action of ozone and activated carbon to
predict and estimate the effects of the process and
operational variants on the removal performance. In this
respect, this work contributes with suitable modelling and
estimation of the characteristic parameters of the combined
system and their influence on the process efficiency.

This study analyses the results obtained when using granular
activated carbon (GAC) during ozonation. Based on an
adsorption study of active carbon with solutions containing
phenol, the simultaneous mode of operation (Ad/Ox) was
studied, using the advantages of the adsorptive–reactive function
that occurs on the AC surface. The study objective is therefore to
assess the extent of the adsorption and reaction effect in the
efficiency of phenol removal, used here as a pollutant model,
considering catalytic material regeneration.

2. Experimental methods
2.1. Materials and reagents

Phenol (C6H5OH, Sigma-Aldrich, ≥99.0%), sulfuric acid
(H2SO4, Panreac, 1 M), sodium hydroxide (NaOH, Panreac, 1 M),
hydrogen chloride (HCl, Labkem, 37%), sodium chloride
(NaCl, VWR, 99.8%), powder activated carbon (PAC, Panreac,
pure) and HPLC-grade methanol (CH3OH, Merck, >99.99%)
were used as received. Deionised water was supplied by a

Milli-Q® water purification unit supplied by Merck.
Kemisorb® 530 GR 12x40 granular activated carbon was
purchased from Kemira.

2.2. GAC characterization methods

Nitrogen adsorption measurements were performed using a
Micromeritics ASAP 2010 instrument at 77 K with ultra-high
purity nitrogen gas. All the samples were dried and degassed
under high vacuum at 473 K for 24 h prior to measurements.
The surface area was calculated using the BET equation, and
the pore size distribution was determined by applying the
BJH model.

The point of zero charge (PZC) was determined by the
acid–base titration method.36,37 A total of 50 mL of 0.01 M
NaCl solution was prepared in 100 mL flasks. The initial pH
between 2 and 12 was then adjusted using 0.1 M NaOH or
HCl, and then, 0.15 g of activated carbon was added to start
the test at a certain pH. After a 24 h contact time, the final
pH was measured. The final pH was plotted against the
initial pH for all assays to obtain the pHpzc value.

A Waters 2695 HPLC system with a Teknokroma
Mediterranea SEA C18 threaded column (150 mm × 4.6 mm,
1.8 μm) with the guard column working at 20 °C under
isocratic elution (60% buffered water at pH 3, 40% methanol)
and a flow rate of 1 mL min−1 was used for phenol
quantification. A Waters 2487 UV/vis detector was used at a
wavelength of 272 nm. The degree of mineralization was
quantified by total organic carbon (TOC) analysis on a
Shimadzu TOC-VSCH analyzer.

2.3. Adsorption experiments

Phenol adsorption experiments on activated carbon were
performed at temperatures ranging from 15–35 °C and at
pH = 6.5 for powdered active carbon and for granular
activated carbon, Kemisorb® 530. The kinetics and
adsorption isotherms were obtained by preparing 500.0 mL
phenol solutions (C0 = 1000 mg L−1), in a 0.5 L jacketed
reactor with a magnetic stirrer, in which 0.25 g of carbon
active powder or granulate were added, after adjusting the
pH according to the experiment.

The agitation was kept steady at 500 rpm, in order to
maintain perfect mixing for at least 24 h, to ensure
equilibrium. The temperature was controlled by a
thermostatic bath, providing the reactor with necessary water
flux at the desired temperature. To remove the catalyst
particles, the solutions were filtered through a 0.45 μm
membrane (MF-Millipore) before proceeding to the analysis
of the concentration of phenol by HPLC. For the analysis of
adsorption kinetic data, the amount of phenol adsorbed at
time t was obtained from eqn (9):

qt ¼
C0 −Ctð Þ·V

M
(9)

where C0 and Ct are the initial and phenol concentrations at
any time, respectively; V is the volume of the solution and M
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is the mass of activated carbon. All adsorption experiments
were performed in triplicate, and the mean values were used
for the adsorption study. The maximum standard deviation
of measured concentrations was not greater than 0.1 mg L−1.

2.4. Ozonation experiments

The removal of phenol in the Ad/Ox process was carried out
in a gas–liquid contactor using powder activated carbon and,
in other cases, granular activated carbon Kemisorb® 530.
The experimental ozonation system consisted of a 30.41 L
cylindrical column where the solution to treat was placed.
Ozone gas is introduced into the reactor through a venturi
installed in the recirculation stream, thus ensuring a perfect
homogenization of the system. To improve the contact
between the descending liquid and the ascending gas, the
column has a sprayer on the top that atomizes the liquid
(Fig. 1). Part of the solution that the system recirculates is
pumped upward and returns to the reactor at the top, where
it is sprayed, thus destroying the foam that is formed in some
cases by the strong agitation of the system. The recirculation
system provides enough stirring to ensure a good mixture in
the system. As shown in Fig. 1, the reacting medium interacts
with a certain load of GAC packed in a cartridge, through
which the reacting stream passes.

The experiments were carried out at a constant
temperature of 20.0 °C, operated in batches with loads of
approximately 10.0 L of phenol solutions with an initial
concentration of 1000 mg L−1. All assays were carried out
under constant gas flow, QG = 4.0 L min−1, constant ozone

concentration in the gas phase at the inlet, CO3,G = 19.0 mg L−1,
a pH of 6.5 and 250.0 or 500.0 g of activated carbon.
Ozone was produced from extra pure oxygen in a TRIOGEN
LAB2B generator. The temperature was controlled using a
refrigerating bath. The ozone concentration in the gas phase
was monitored with a BMT 964C ozone analyser. Liquid
phase ozone concentration and temperature were measured
with a Rosemount Analytical Model 499AOZ-54 probe inserted
in the recirculation. The pH was controlled with a Rosemount
Analytical model 399-09-62 probe, integrated with the ozone
probe in a Rosemount Analytical Solu Comp II recorder.
Gas-phase ozone leaving the reactor was removed with a
Zonosistem thermocatalytic ozone destructor.

2.5. GAC regeneration

2.5.1. Regeneration with NaOH. The regeneration of
granulated activated carbon was carried out according to the
procedure described by Martin & Ng and Sun et al.,38,39 which
consists of treating spent activated carbon with a 10% NaOH
solution at a temperature of 105 °C, circulating in the
opposite direction to that during the reaction. The activated
carbon was then washed with distilled water to neutralize its
pH before drying in an oven at 90 °C for 24 hours.

2.5.2. Ozone regeneration procedure. In this case, spent
granular activated carbon was treated according to the
procedure described by Martin and Ng,38 which consists of
placing the spent GAC into a jacket glass reactor with 1500
mL of deionized water, similar to the process described by
Ferreiro et al.25 An ozone gas flow, QG = 4.0 L min−1, was then
introduced, using an ozone concentration of 262.0 mg O3 per
g GAC treated.41 The GAC was treated with ozone for 60 min
and then dried in an oven at 90 °C for 24 h before reuse.

3. Theory
3.1. Three-phase reaction model

As described in the introduction, a combined Ad/Ox process
is postulated as a good option for the treatment of
contaminants such as phenol. In this section, a mathematical
model is proposed to describe the simultaneous ozonisation
and adsorption process (Ad/Ox), in batch, based on the
definition of the corresponding adsorption and phenol
oxidation kinetic constants. The proposed model calculates
the variation in the phenol concentration during the reaction,
and analyses the oxidation that takes place in the liquid and
the active carbon.

Phenol's primary degradation process can be described
through ozone consumption. In this case, the stoichiometric
coefficient, z, of the reaction between phenol and ozone is
used, according to:

−dCp

dt
¼ z·NO3

(10)

where NO3
is the ozone consumption, coincident with the

ozone transferred to the G–L–S system. The coefficient z can
Fig. 1 Diagram of the Ad/Ox experimental equipment used to carry
out ozonation assays with phenol.
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also be thought of as the efficiency of the global ozonisation
process, involving several stages of mass transfer and
chemical reactions. Fig. 2 shows a resistance model of the
mass transfer and chemical reaction stages involved in the
global ozonation process.

According to Fig. 2, in this case, reactions occur
simultaneously in the liquid and inside the activated carbon,
in many cases conditioned by the ozone transfer rate through
the liquid and in the solid.42 The total consumption of ozone
in the process, which occurs both in the liquid phase and
within the active carbon (see the green dotted line in Fig. 2),
is given by:

NO3 ¼ K*G PO3 − 0ð Þ ¼ KGa1 PO3 −P*O3

� �
¼ K*L CO3 − 0ð Þ

¼ K*L
He

P*O3
− 0

� �
(11)

where K*G is the overall ozonation process coefficient,
including the material transfer and chemical reaction stages
in the total parallel–series system (Fig. 2), collected through
the constants KG and K*L. Consequently, the ozone transfer
rate, NO3

, is directly proportional to the driving force of the
ozone partial pressure, PO3

.
The overall gas–liquid mass transfer coefficient, KG·a1, can

be expressed in terms of the individual liquid and gas
coefficients (kL·a1 and kG·a1; double film theory). Thus, taking
into account Henry's constant, He, corresponding to the G–L
equilibrium, we have the following equation:

KGa1 PO3 −P*O3

� �
¼ kGa1 PO3 −PO3;i

� � ¼ kLa1 CO3;i −CO3

� �
¼ kL

He
a1 PO3;i −P*O3

� �
(12)

where PO3,i is the partial pressure of ozone at the G–L interface,
in equilibrium with that of the liquid interface, CO3,i.

The ozone transferred to the liquid is consumed through
the chemical reaction produced in the liquid, N I

O3
(see the

discontinuous blue line in Fig. 2), and through the reaction
in the active carbon, NII

O3
, according to the equations:

NI
O3

¼ kc;L·CO3 ·CP ¼ kc;L·CP

He
· P*O3

− 0
� �

(13)

N II
O3

¼ kc;SZO3
ZPw2 ¼ kc;SZP

m
C*O3

− 0
� �

¼ kc;SZP

m He
P∧
O3

− 0
� �

(14)

Consequently, the overall ozone consumption rate, NO3

(the sum of NI
O3
, and N II

O3
), depends on the kinetic constants

indicated in eqn (13) and (14), equalizing the ozone
transferred from the gas to the liquid. Thus, N I

O3
can be

expressed as a function of the diffusional parameters of
ozone, by combining eqn (11)–(13), to give:

NI
O3

¼ PO3 − 0ð Þ
1

kGa1
þ He
kLa1

þ He
kcCP

(15)

The consumption of ozone in the solid, N II
O3
, is described

by the constant KS
L, which includes the stages of ozone

transfer and the chemical reaction inside the active carbon
particles, according to:

KS
L(CO3,L − 0) = kLa2(CO3

− CO3,i) = kSa2(ZO3,i − ZO3
)

= kc,S(ZO3
− 0) (16)

Fig. 2 Ozone transfer phenomena and chemical reaction resistances involved in the Ad/Ox process.
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If Henry's constant, He, in the equilibrium G–L is
considered together with the L–S equilibrium constant, m,
according to:

He ¼ P*O3
=CO3 ¼ PO3;i=CO3;i ¼ P∧

O3
=C*O3

(17)

m ¼ CS
O3;i=ZO3;i ¼ C*O3

=ZO3 ; (18)

Eqn (16) can be expressed as a function of the ozone
partial pressure, according to:

KS
L

He
P*O3

− 0
� �

¼ kLa2
He

P*O3
−PO3;i

� �
¼ kSa2

m He
PO3;i −P∧

O3

� �
¼ kc;S

m He
P∧
O3

− 0
� �

(19)

Consequently, N II
O3

can also be expressed as a function of

the ozone transport parameters, according to:

N II
O3

¼ PO3 − 0ð Þ
1

kGa1
þ He
kLa1

þHe
kSL

(20)

Moreover, the variation of phenol concentration,
considering the oxidation terms in the liquid and on the
surface of the active carbon, together with the removal by
adsorption, gives the following general expression:

−dCP

dt

� �
¼ −dCP

dt

� �
ox;L

þ −dCP

dt

� �
ox;S

þ −dCP

dt

� �
ads

(21)

The proposed model is based on the following assumptions:
•The liquid and solid oxidation rates are considered to be

pseudo-first order with respect to phenol.
•The pseudo-first order constants are affected by the

ozone transport parameters, which leads to certain ozone
concentrations: CO3

(in the liquid) and ZO3
(in the solid). Both

CO3
and ZO3

are considered constants once they have reached
steady state.

•Activated carbon consists of porous particles in which
ozone and phenol diffusion mechanisms occur. Therefore,
either for phenol or ozone, a concentration gradient is
assumed to exist from the periphery to the inside of the
particle.

•The adsorption kinetics are affected by the operational
conditions even during the process.

Redefining the terms of eqn (13) and (14), according to
eqn (10), through the term z, eqn (22) and (23) are obtained,
which describe the variation of phenol concentration by
oxidation in both the liquid phase and on the surface of the
solid.

−dCP

dt

� �
ox;L

¼ zkc;LCO3CP ¼ koxLCP (22)

−dCP

dt

� �
ox;S

¼ zkc;SZO3ZPw2 ¼ kox;SZPw (23)

As can be seen, the above equations contain koxL and koxS
constants, the factor z, the elemental kinetic constants kc,L
and kc,S, and the ozone concentrations CO3

and ZO3
. These

ozone concentrations can be assumed constant after the
initial transitory period.42 If the diffusional L–S resistances
are negligible, the ozone concentration in the solid is in
equilibrium with that of the liquid, according to eqn (18), to
obtain:

C*O3
¼ mZO3≈CO3 (24)

The phenol concentration in the activated carbon, ZP,
depends on the adsorption process rate. In quick adsorption
processes, ZP is assumed to be in equilibrium with the
phenol concentration in the liquid, CP and is estimated from
the Freundlich equation:43

ZP ¼ ZP;∞ ¼ K F CPð Þ 1
nF (25)

where CP is the phenol concentration in the liquid, in
equilibrium with ZP, or phenol adsorbed in the active carbon
particle. The constant KF indicates the AC adsorption
capacity, and nF is the heterogeneity factor. However, the
phenol concentration in the solid, ZP, usually depends on the
adsorption kinetics of the process and does not reach
equilibrium during the process. On the other hand, the AC
adsorption kinetics with ozone change significantly
compared to the adsorption process without it.44 This will be
demonstrated later in this work with the estimated reaction
and adsorption kinetic constants.

To describe the phenol adsorption kinetics dependence
on AC, a pseudo-second order model is chosen, which has
been conveniently verified in previous works,44 according to:

−dCP

dt

� �
ads

¼ −dZP

dt

� �
ads

w ¼ kads ZP;∞ −ZP
� �2

w (26)

where kads (g mg−1 min−1) is the pseudo-second order kinetic
constant. From eqn (22), (23) and (26), eqn (27) is deduced to
express the phenol removal in the Ad/Ox process.

−dCP

dt
¼ koxLCP þ koxSZPwþ kads ZP ;∞ −ZP

� �2
w (27)

The adsorption phenomenon that occurs together with
ozonisation may be quite different from that observed in its
absence, so parameters kads and ZP,∞ should not be confused
with those observed in eqn (32) and (36).

4. Results and discussion
4.1. Nitrogen adsorption studies

Fig. 3 shows the adsorption–desorption isotherms of
Kemisorb® 530 GAC and PAC. According to the shape of the
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curves in Fig. 3a, a type I isotherm is observed, in which at
low relative pressures the amount of adsorbed nitrogen
increases with the relative pressure due to the high
interaction between active carbon and nitrogen, but without
reaching any plateau, i.e., the solid does not clearly present
the limit of its adsorption capacity. This is probably because
thermodynamic equilibrium is not reached due to
incomplete monolayer formation.45

Moreover, a hysteresis cycle was observed, which reveals a
capillary condensation effect on the pores of the activated
carbons, associated with the mesoporous part of the solid.

The physical properties of the activated carbons used in
this work are shown in Table 2. GAC Kemisorb® 530 presents
a BET surface area of 961.5 m2 g−1, greater than that of PAC,
which is 832.3 m2 g−1. However, PAC has a higher mesopore
volume (VM = 0.20 cm3 g−1) and average pore diameter
(35.0 Å), and should have greater adsorption capacity than
GAC Kemisorb® 530 for higher molecular weight compound
removal. The micropore volume value of PAC corresponds to
the macroporous region.46

4.2. Point-zero charge determination

During the phenol adsorption processes, the AC
characteristics, such as molecular size, solubility, pKa and
adsorbate nature (i.e., aromatic or not), influence the
adsorption process. As indicated in the previous section, the
molecular size controls the contaminant accessibility to the
AC pores together with solubility, a consequence of
hydrophobic interactions. These are greatly conditioned by

the contaminant pKa, and closely linked to the solution pH,
as explained below.

Thus, the efficiency of the activated carbon in the Ad/Ox
process can be affected by its point of zero charge (PZC). A
surface charge is at its point of zero charge when the surface
charge density equals zero. It is a negative logarithmic value
for the activity of the charge-determining ions in the bulk
phase.47 According to Ferreiro et al.,25 when the surface of
the catalyst is positively charged, it favours interactions with
anionic pollutants (pH < pHpzc), whereas a negatively
charged surface promotes interactions with cationic
pollutants, due to the ionization of oxygenated functional
groups (pH > pHpzc).

26

The experimental curve obtained by Silva et al. describes
the method for Kemisorb® 530 GAC and PAC, as shown in
Fig. 4.36 The point of zero charge, pHpzc, of Kemisorb® 530
GAC was 9.69, whereas that of PAC was 10.19. The pHpzc

values obtained are the same as the typical values of fresh
activated carbon (between 8 and 10), obtained by authors
such as Valdés & Zaror and Adam.37,48 This high PZC value is
beneficial, since an increase in the acidity of the AC surface
results in a decrease in the amount of phenol adsorbed.49

The point of zero charge together with the speciation of
phenol, which is dependent on the solution pH, may
influence the adsorptive behaviour of the activated carbon in
terms of adsorption capacity. The acid ionization equation of
phenol is shown in eqn (28):50

C6H5OH(aq) + H2O (l) ↔ C6H5O
−(aq)

+ H3O
+(aq) pKa = 9.95 (28)

According to the pKa value shown in eqn (28), phenol is a
very weak acid. For a pH lower than 9.95, the phenoxide ion
concentration is negligible, while for a pH higher than 9.95,
the phenol will be ionized and consequently the adsorption
on the activated carbon will decrease due to electrostatic
repulsion interactions. Thus, the overall reactivity of phenol
towards ozone increases from 1300 M−1 s−1 at pH < 9.9 to
1.4 × 109 M−1 s−1 at pH > 9.9.51,52 Despite the favourable effect
on ozonisation with alkaline pH, an industrial implementation

Fig. 3 Activated carbon characterization: (a) nitrogen adsorption–
desorption isotherms and (b) pore size distribution of Kemisorb® 530
GAC and powder activated carbon calculated using the BJH model.

Table 2 Surface properties of the activated carbons studied

Property
Kemisorb® 530
GR 12x40 Kemira

Activated
carbon powder

SBET, m
2 g−1 961.5 832.3

Sext, m
2 g−1 410.4 264.0

VT, cm
3 g−1 0.38 0.44

Vμ, cm
3 g−1 0.24 0.24

VM, cm
3 g−1 0.14 0.20

VM/VT, % 36.8 45.5
Vμ/VT, % 63.2 54.5
DP, Å 27.9 35.0

SBET – BET surface area; Sext – external surface area; VT – total
pore volume; Vμ – micropore volume; VM – mesopore volume;
VM/VT – mesopore percentage; Vμ/VT – micropore percentage;
DP – average pore diameter.
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would be unviable for the following reasons: i) chemical
operating costs would increase by 36.1%,53 ii) the adsorption
stage would not be favoured, iii) pH adjustment would
require more contact or residence time to adjust a wide range
of pH, iv) it would be environmentally unsustainable, as the
discharge pH must be between 6.0 and 8.0.44

4.3. Adsorption process of phenol on AC and thermodynamic
aspects

Adsorption isotherms are used to evaluate the adsorption
capacity of active carbons for a specific pollutant. This tool
enables discrimination between different active carbons,
evaluating the adsorption phenomenon, in order to select the
most suitable AC for a desired application.49 To analyse the
adsorption phenomenon in the two activated carbons under
study, the equilibrium data obtained were adjusted to widely
used models such as the Langmuir, Freundlich and Dubinin–
Radushkevich isotherms.54 Fig. 5 shows the adsorption
isotherms of phenol on Kemisorb® 530 and PAC at 15 °C,
25 °C and 35 °C at pH = 6.5.

As seen in Fig. 5a, PAC has an L-type isotherm without a
plateau according to the classification made by Limousin
et al.55 This type of isotherm indicates that the ratio between
the amount of adsorbed phenol and the solution
concentration decreases with the increased concentration in
the equilibrium. Furthermore, this isotherm does not clearly
present the limit of its adsorption capacity. However, the
granular activated carbon Kemisorb® 530 shows a C-type
isotherm (Fig. 5b), characteristic of materials in which the
ratio of qe to Ce is almost constant at any concentration.

The mathematical representation of the three models
mentioned is shown below. Dubinin–Radushkevich's
isotherm (D–R's model) is characteristic of single solute
systems,37 and much more general than Langmuir's
isotherm since it assumes the homogeneity of the surface
according to:56

q∞ = qs exp(−βε2) (29)

where β is the activity coefficient related to the adsorption
free energy E, expressed by:

E ¼ 1ffiffiffiffiffi
2β

p (30)

where ε is the Polanyi potential, expressed as a function of
temperature through:57

ε ¼ RT ln 1þ 1
C∞

� �
(31)

The Freundlich equation is given by:58

q∞ ¼ K FC∞
1
nF ; (32)

in which nF refers to the process irreversibility, so values
clearly greater than one mean spontaneous adsorption.

Langmuir's model assumes the formation of a monolayer
on the surface of activated carbon with minimal interaction
among the adsorbate molecules (phenol), and the adsorption
sites having the same adsorption energy. The Langmuir
equation is given by Enniya et al.:59

q∞ ¼ qmax
KLC∞

1þ KLC∞
(33)

where KL is the equilibrium constant related to the affinity of
the binding sites and adsorption nature, and qmax is the
monolayer adsorption capacity.

Table 3 shows the adjustment parameters obtained using
the different adsorption models. Due to the inherent bias
resulting from linearization, the isotherm and kinetics
parameters were determined by the non-linear regression
method. The method uses an optimization routine to
maximize the coefficient of determination, between the
experimental data and isotherm model.60 Based on the non-

Fig. 4 Point of zero charge of Kemisorb® 530 and powder activated
carbon determined by the acid–base titration method.

Fig. 5 Adsorption isotherms of phenol at pH = 6.5 on two types of
activated carbons at different temperatures fitted to the Freundlich
isotherm model: (a) powder activated carbon and (b) Kemisorb® 530.
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linear regression analysis of the experimental data obtained
from phenol adsorption, it may be inferred, with a
determination coefficient of R2 ≅ 0.98, that the phenol
adsorption on either PAC or GAC Kemisorb® 530 GR is fairly
described with Freundlich's model for all studied
temperatures. Moreover, nF is greater than one for the two
types of carbons used, proving a favourable adsorption
process.56

According to D–R's model parameters shown in Table 3,
the adsorption energy value is much higher for GAC
Kemisorb® 530 than for powdered activated carbon, proving
that adsorption on PAC is more favoured than on Kemisorb®
530.

Finally, as far as the parameters obtained from Langmuir's
model are concerned, the maximum adsorption capacity of
phenol, qmax, increases as the temperature decreases from
365.37 mg g−1 to 582.34 mg g−1, on powdered activated
carbon, and from 113.93 mg g−1 to 401.02 mg g−1 on GAC
Kemisorb® 530, proving that adsorption on both carbons is
exothermic. In addition, the low values of Langmuir's
equilibrium constant suggest a weak interaction of phenol
with the surface of the two types of carbons, as observed in
Table 3. The separation factor obtained in both carbons
indicates that the adsorption process is favourable, as
predicted by Freundlich's model.

The maximum amounts of adsorbed phenol, qmax, of PAC
and GAC are compared with others from the bibliography
study by Ma et al.61 The carbons selected for this work have
qmax values of 582.34 mg g−1 for PAC and 401.02 mg g−1 for
GAC Kemisorb® 530, against those of other materials such as
ACs from bamboo (with 59.62 mg g−1) or from coconut shell
(with 45.45 mg g−1). Nevertheless, the latter two have larger
specific surface areas (over 1000 m2 g−1 versus 900 m2 g−1 for
the carbons studied here). Moreover, the ACs referred to by
Ma et al.61 have an average pore diameter lower than 27 Å
(microporosity), and consequently, the accessibility of
molecules such as phenol is impeded. Therefore, carbons
with high microporosity (unlike the ones studied in this

work) present a greater diffusion resistance and are not
suitable for phenol removal.

PAC and GAC adsorption was analysed following three
different kinetic models: pseudo-first order, pseudo-second
order and intraparticle diffusion. Fig. 6 shows the evolution
of the adsorption kinetics of phenol on PAC and GAC
Kemisorb® 530 GR at 15 °C, 25 °C and 35 °C, maintaining
pH = 6.5 in all cases.

The pseudo first-order kinetic model is given by eqn (34),
according to Markandeya et al.43

dqt
dt

¼ k1 q∞ − qtð Þ (34)

Table 3 Adsorption isotherm parameters for phenol adsorption on activated carbon powder and Kemisorb® 530 at different temperatures

Adsorbent Activated carbon powder Kemisorb® 530 GR 12x40 Kemira

Isotherm model

Temperature, °C Temperature, °C

15 25 35 15 25 35

Langmuir
KL, L mg−1 0.125 0.016 0.0060 0.029 0.007 0.001
qmax, mg g−1 582.34 404.10 365.37 401.02 248.71 113.93
R2 0.981 0.982 0.984 0.995 0.993 0.987
Freundlich
KF, (mg g−1) (L mg−1)1/n 25.35 17.42 11.14 2.55 1.60 1.17
nF 1.88 1.76 1.60 1.20 1.17 1.13
R2 0.995 0.991 0.993 0.991 0.989 0.991
Dubinin–Radushkevich
qs, mg g−1 430.88 403.14 376.35 247.61 148.57 106.54
β, mol2 kJ−2 194.38 320.83 347.25 170.71 235.45 415.51
E, kJ mol−1 0.050 0.039 0.037 0.054 0.046 0.034
R2 0.763 0.796 0.879 0.934 0.969 0.971

Fig. 6 Modelling of a pseudo-second-order kinetics of the adsorption
process onto: (a) powdered activated carbon and (b) GAC Kemisorb®
530 GR.
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where k1 is the pseudo-first-order rate constant. Integrating
and linearizing eqn (34) for the boundary conditions, qt = 0
at t = 0, leads to the following expression:

log q∞ − qtð Þ ¼ logq∞ − k1
2:303

t (35)

The pseudo-second-order model is represented as:62

dqt
dt

¼ k2 q∞ − qtð Þ2 (36)

where k2 is the pseudo-second-order rate constant.
Integrating and rearranging eqn (36) for the initial
conditions, qt = 0 at t = 0, the following equation is obtained:

t
qt

¼ 1
k2q∞2 þ

1
q∞

t (37)

Finally, the intraparticle diffusion model in a
dimensionless form is given by:63

∂CP

∂t ¼ 1
ηS

∂
∂η ηS

∂CP

∂η

� �
(38)

where τ is the dimensionless time defined in eqn (39), η is
the dimensionless spatial variable defined in eqn (40) and S
is a particle geometry constant (S = 2 for a sphere).

τ ¼ Dapp

RA
2 t (39)

η = rA/RA (40)

The defined the apparent diffusivity (Dapp) in eqn (39)
considers two diffusion coefficients, fluid and surface
diffusivities. The resolution of eqn (38) was carried out using
the FlexPDE® calculation tool. It was considered the initial
solute concentration inside particle is equal to zero and that
rA or η equal to zero in the particle centre.

Table 4 shows the fit parameters obtained for the three
kinetic models proposed for 15, 25 and 35 °C.

The regression analysis of experimental data obtained from
phenol adsorption shows a determination coefficient of
R2 ≅ 0.99, indicating that the pseudo-second-order model is

best at describing the phenol adsorption kinetics either for
PAC or GAC Kemisorb® 530. According to Ho and McKay,62

adsorption cases following the second-order model
demonstrate a chemical-step controlled adsorption process.
The mechanism of the adsorption phenomenon that takes
place consists of the following stages:44 (i) external mass
transfer from the aqueous medium to the boundary film, (ii)
mass transfer from the boundary film to the activated carbon
external surface, (iii) mass transfer in the pores, (iv) adsorption
onto activated carbon active sites, and v) internal diffusion.

In the intraparticle diffusion model, values of apparent
diffusivity around 10−6 cm2 s−1 were obtained, similar to
those obtained by Schwaab et al.63 However, the
determination coefficient obtained with the fitting to this
model was not satisfactory.

The above results were confirmed by the evaluation of
thermodynamic parameters. Enthalpy, entropy and free
energy changes in the adsorption mechanism were
determined through the following expressions:58

ΔG° = −RT lnKL (41)

where ΔG° is the standard Gibbs free energy, R is the
universal gas constant, T is the absolute temperature and KL

is the equilibrium constant. Enthalpy and entropy values
were determined through the van't Hoff equation:56,59,64

ln
KL

γ
¼ ΔS°

R
− ΔH°

R
1
T

(42)

where ΔS° is the entropy change, ΔH° is the enthalpy change
associated with the adsorption process and γ is the
coefficient of activity of the adsorbate. The equilibrium
constant used in van't Hoff's equation corresponds to the
Langmuir isotherm model fitted at different temperatures.64

The value of the equilibrium constant of the Langmuir model
in L mol−1 units and the activity coefficient for water–phenol
system (1.64) were used to estimate the thermodynamic
parameters.65 The thermodynamic parameters of phenol
adsorption on both ACs are given in Table 5.

Table 5 shows the negative enthalpy values determined for
GAC Kemisorb® 530 and PAC, characteristic of an exothermic
process. According to Adam and Thue et al.,37,66 enthalpy

Table 4 Kinetic parameters for the adsorption of phenol on activated carbon powder and Kemisorb® 530 at different temperatures

Adsorbent Powder activated carbon Kemisorb® 530 GR 12x40 Kemira

Kinetic model

Temperature, °C Temperature, °C

15 25 35 15 25 35

Pseudo-1st order
k1, min−1 0.0167 0.0086 0.0010 0.0021 0.0012 0.0003
R2 0.989 0.981 0.924 0.801 0.797 0.724
Pseudo-2nd order
k2, g mg−1 min−1 3.07 × 10−3 8.43 × 10−4 2.67 × 10−4 4.20 × 10−4 4.96 × 10−5 6.85 × 10−6

R2 0.995 0.996 0.993 0.990 0.997 0.995
Intraparticle diffusion
Dapp, cm

2 s−1 7.03 × 10−6 7.40 × 10−6 7.78 × 10−6 3.82 × 10−6 4.02 × 10−6 4.22 × 10−6

R2 0.879 0.851 0.897 0.900 0.899 0.881
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changes in the range 0–84 kJ mol−1 indicate a physisorption
mechanism, while values between 84 and 420 kJ mol−1 are
typical of chemisorption mechanisms. In the studied activated
carbons, an enthalpy value was obtained corresponding
to a chemisorption mechanism. The entropy change
(367.91 J mol−1 K−1 for Kemisorb® 530 and 312.86 J mol−1 K−1

for PAC) reflects the randomness increase between the
solution and solid interface and, consequently, structural
changes in the activated carbons and phenol.44,59

The negative free energy change values indicate the
feasibility and the spontaneous nature of phenol adsorption
on both activated carbons. The observed free energy
increment, from −18.95 to −11.64 kJ mol−1 for GAC
Kemisorb® 530 and from −22.35 to −16.23 kJ mol−1 for PAC,
when the temperature increases from 15 to 35 °C, proves that
better adsorption occurs at low temperatures.

In addition, the activation energy was estimated from the
kinetic data taken at 15, 25 and 35 °C. The activation energy
value was estimated through the Arrhenius equation:67

lnk2 ¼ lnk0 −
Ea

R
1
T
; (43)

where k0 is the frequency factor and Ea is the activation
energy for the adsorption process. According to Ferreiro et al.
and Fil et al.,44,68 Ea values are a consequence of the type of
adsorption phenomenon. Values between 88 and 400 kJ mol−1

correspond to a chemical adsorption. Thus, values of
151.9 kJ mol−1 for GAC Kemisorb® 530 and 90.15 kJ mol−1

for PAC correspond to chemisorption mechanisms.

4.4. Activated carbon activity comparison

This section discusses the results simultaneously obtained in
an Ad/Ox process using a bed of activated carbon packed in a
cartridge in the reactor, as seen in Fig. 1, compared with
those from simple ozonation.

The operational conditions employed in the batch
experiments were: QG = 4.0 L min−1, CO3,G = 19.0 mg L−1,
C0 = 1000.0 mg L−1, pH = 6.5 and M = 500.0 g. First, the
results obtained through a simple ozonation process were
compared, and those obtained through an Ad/Ox process
were analysed and are shown in Fig. 7.

Fig. 7 shows the phenol removal results with 100%
removal in just 30 minutes for a 1000 mg L−1 phenol
concentration. Additionally, mineralization exceeding 80%
was achieved (not shown in Fig. 7). Therefore, the results

indicate that the use of GAC in Ad/Ox processes gives
superior results in phenol removal and mineralization,
despite using a lower dose of ozone. The type of activated
carbon (GAC or PAC) does not seem to influence the
oxidation efficiency. The generation of radicals on the AC
surface explains the higher speed of reaction in the
liquid.15,30

After the analysis of the first results about simple
ozonation and the different types of sequential Ad/Ox
processes, the appropriateness of the simultaneous Ad/Ox
process with both GAC and PAC was postulated. Ad/Ox with
GAC was selected for the remainder of the experiments
because of the handling advantages of the granulated
material. In addition, GAC Kemisorb® 530 is extensively used
in water potabilization facilities due to, among other factors,
its low cost, easy reuse and regeneration, and treatment unit,
making it the most suitable type of activated carbon for fixed
bed contact systems.69 PAC is generally used in treatment
plants with mixing units for coagulation purposes, where
PAC is suspended in the water to be treated.70

Table 5 Thermodynamic parameters of phenol adsorption on both ACs

Adsorbent T, °C Ln (KL/γ) ΔH, kJ mol−1 ΔS, J mol−1 K−1 ΔG, kJ mol−1 Ea, kJ mol−1 k0

Kemisorb® 530 15 7.41 −124.02 367.91 −18.95 151.9 1.24 × 10−31

25 5.99 −16.08
35 4.04 −11.64

PAC 15 8.83 −110.95 312.86 −22.35 90.15 1.36 × 10−19

25 6.82 −18.13
35 5.84 −16.23

Fig. 7 Comparison of the degradation of phenol (a) and mineralisation
(b) with ozonisation and Ad/Ox processes. Experimental conditions:
C0 = 1000.0 mg L−1, QG = 4.0 L min−1, CO3,G = 19.0 mg L−1, pH = 6.5,
V = 10.0 L, T = 20 °C, mGAC = 500.0 g.
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4.5. Kinetic analysis of the Ad/Ox process

Ad/Ox ozonation experiments were performed under the
ozone flow and concentration conditions indicated in the
‘Experimental methods’ section. The process was applied in
all cases to a 1000.0 mg L−1 phenol solution, varying the
amount of GAC in the cartridge, using a mass of 250.0 g or
500.0 g according to the experiment.

The phenol degradation results for both primary
degradation and mineralization were obtained by measuring
the total organic carbon (TOC) in the treated solution. The
degradation kinetics were adjusted to the proposed model in
section 3, by solving eqn (19) and (21). The solution process
for these equations involved the FlexPDE® calculation tool, a
simulation programme used here to determine, through a
corresponding fitting process, the kinetic constants of
adsorption and ozonation and the modelled kinetics of
phenol concentration and TOC during degradation. Because
the fluid velocity is large enough to operate in a turbulent
regime, it was assumed that the GAC load confined inside
the cartridge (see Fig. 1) behaves as if it was perfectly
distributed in the reactor, due to the vigorous agitation of the
reaction medium through the recirculation system.
Consequently, the kinetic parameters of oxidation in the
liquid and solid and adsorption phenomena will be affected
by the mixing conditions in the ozonator through G–L and
L–S flows and the corresponding mass transfer parameters.

The initial conditions or values of the dependent variables
involved in the differential equations at time zero (the
starting time for the Ad/Ox phenol removal process) were
defined before the calculus process. The concentration at any
position within the reactor is CP = C0 = 1000.0 mg L−1 and
therefore the load placed on the bed of activated carbon is
zero, ZP = 0.0 mg g−1. The programme simulates the
degradation kinetics on the basis of the value of the initial
variables, varying parameters to calculate kads, koxL and koxS
to achieve the best fit to the experimental degradation
kinetics.

Kinetics modelling of the experimental degradation was
carried out for two different amounts of GAC, 250.0 and
500.0 g. In Fig. 8, fittings of the experimental data to the
kinetic model proposed for the two different GAC quantities
loaded in the reaction media are shown. Fig. 8 shows that an
increase in catalyst dosage provides more active surface sites,
thus facilitating the decomposition of ozone molecules into
more hydroxyl radicals.71 The previously mentioned kinetic
model was also employed in the analysis of mineralization.
The TOC values were used in this case as the experimental
results. Similar to the primary degradation, the TOC results
were fitted to the proposed model; the results are shown in
Fig. 8. The fitting result was good, yielding a determination
coefficient of R2 = 0.95 for primary degradation fitting and
R2 = 0.99 for mineralisation fitting. Similarly, Table 6 also
shows the values of the obtained adsorption and oxidation
kinetic constants to fit the experimental kinetics for a
simultaneous Ad/Ox process.

Table 6 shows the constants obtained in the fitting
process, which reveal that an increased GAC amount does
not affect the constant of oxidation in the solid (which is
similar in both cases), but contributes to an increased
oxidation constant koxL in the liquid. This apparent constant
includes the ozone concentration in the liquid and a
coefficient z that depends strongly on the efficiency and
concentration of OH˙ (see eqn (16)), clearly influenced by the
catalytic activity of the GAC surface that competes with the
adsorptive capacity. An equilibrium balance in GAC's dual
role (adsorbent–reactive) is essential to develop a good Ad/Ox
process efficiency.72

Conversely, the value of the oxidation constant in the
liquid, koxL, is halved in mineralization compared to the
primary degradation value, because of the more refractory
nature of degradation intermediates.73 Another effect

Fig. 8 Experimental and modelled kinetic profiles of phenol degradation
in an Ad/Ox process for phenol degradation, varying the amount of
GAC in the cartridge: (a) primary degradation of phenol and (b)
evolution of mineralisation. Experimental conditions: C0 = 1000.0 mg L−1,
QG = 4.0 L min−1, CO3,G = 19.0 mg L−1, pH = 6.5, V = 10.0 L, T = 20 °C.

Table 6 Summary of the kinetic constants of adsorption and oxidation
related to the removal of phenol and mineralisation for 1 Ad/Ox
cycle. Experimental conditions: C0 = 1000.0 mg L−1, QG = 4.0 L min−1,
CO3,G = 19.0 mg L−1, pH = 6.5, V = 10.0 L, T = 20 °C

GAC catalyst
loading, g

Evolution Kinetic parameter 250 500
Phenol removal kads × 105, min−1 4.0 9.0

koxL × 101, min−1 2.5/1.0 7.0/1.0
koxS × 101, (mg L−1)/(mg min g−1) 0.1 0.1
kads × 105, min−1 4.0 9.0

Mineralisation koxL × 101, min−1 1.4/0.9 3.0/0.1
koxS × 101, (mg L−1)/(mg min g−1) 0.1 0.1
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observed in koxL is a continuous decline as the process goes
on, as a result of the progressive occupation of the GAC
surface by the phenol and its derivatives.

4.6. Analysis of successive Ad/Ox cycles and regeneration

In view of the good results obtained with an Ad/Ox
simultaneous process, the possibility of several consecutive
cycles was assessed to see the extent of the changes in the
GAC's adsorptive properties. It is interesting to quantify the
number of consecutive cycles that can be performed using
the same fixed bed of GAC, until it completely loses its
adsorption capacity or deactivates. Initially, we performed
two consecutive Ad/Ox cycles of 30 minutes each, with the
same operational conditions as discussed above.

The same experimental conditions of the previous section
were used, but with only 250.0 g of GAC for the consecutive
cycle's experiments. The reactor was fed with 10 L of
1000.0 mg L−1 phenol solution, covering 30 minutes of
process to complete the first cycle (Ad/Ox 1). The solution
was then extracted and a new 1000.0 mg L−1 phenol solution
was introduced, while keeping the previously loaded GAC.

According to Fig. 9, the fitting results were good, yielding
a determination coefficient of R2 = 0.98 for primary
degradation fitting and R2 = 0.99 for mineralization fitting.
Fig. 9 shows that the results obtained for the primary
degradation and for mineralization in cycles 1 and 2 are
similar, above 95% in the first cycle and 80% in the second
cycle. This result may have two possible causes. The first is
that the amount of GAC in the cartridge is large with

respect to the phenol solution and does not reach
saturation in the first cycle; there are active centres free to
continue with the dissolution of phenol adsorption.22 The
second effect is that ozone acts directly on the bed of GAC,
cleaning active centres and allowing an additional quantity
of phenol to be adsorbed.29 In any case, the adsorption is
altered by oxidation at the surface of the granular activated
carbon.

After an analysis of the behaviour of two consecutive
cycles to discover the advantages and disadvantages of a
combined process compared with a simple process, the
consecutive Ad/Ox cycles with the same activated carbon were
analysed. The kinetic constants were also determined
following the previously mentioned procedure for an Ad/Ox
cycle, taking into account that the GAC in the cartridge was
not changed from one cycle to another. Then, when an
additional cycle starts, the amount of phenol adsorbed on
the AC is nonzero; it was necessary to define a starting ZP
value, different and growing as the number of cycles
increases. Thus, the ZP to initiate the calculus process of the
FlexPDE® software for the beginning of the second cycle is
the final ZP of the first cycle, and the value at the beginning
of the third cycle will be the value at the end of the second
cycle, and so on.

The adsorption and oxidation kinetic constants obtained
for 6 consecutive Ad/Ox cycles with 250.0 and 500.0 g GAC
amounts are presented in Tables 7 and 8, respectively.

In view of the results in Table 7, the oxidation occurs
predominantly in the liquid since the kinetic constants in the
liquid are considerably higher than those in the solid. This
finding could be due to the contribution of the GAC to the
reactions, only as free radical generators that are involved in
the oxidation in the bulk liquid. However, the value of these
constants decreases when the number of cycles increases,
which can be explained by the decrease of free active centres,
since the GAC deteriorates or becomes covered by phenol
and other compounds by oxidation.26,44

The kinetic adsorption constant on the solid surface kads
and the corresponding oxidation constant koxS are fairly
constant as the number of consecutive Ad/Ox cycles
increases, since not enough phenol or intermediate
compounds have been adsorbed to modify the surface of the
activated carbon.74 On the other hand, neither constant
appears to be modified during mineralization. Accordingly,
the reagent mechanisms on the GAC surface seem to be more
significant for mineralization.75

Using a fixed bed of 500.0 g of GAC, a considerable
increase in the oxidation kinetic constant in the liquid was
observed, nearly 100 times the kinetic constant of oxidation
in the liquid in a non-catalytic ozonisation process, which is
0.09 min−1, under the same operational conditions. This can
be explained by a competition between the ozone and phenol
flows at the GAC surface.76 The dominance of the phenol flow
involves the formation of layers of phenol on the GAC; the
adsorption of this phenol will result in the deactivation of the
GAC active centres and a decrease in its adsorptive and

Fig. 9 Comparison of removal efficiencies in Ad/Ox consecutive
cycles: (a) primary degradation of phenol and (b) mineralization or TOC
removal. Experimental conditions: C0 = 1000.0 mg L−1, QG = 4.0 L min−1,
CO3,G = 19.0 mg L−1, pH = 6.5, V = 10.0 L, T = 20 °C, mGAC = 250.0 g.
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reactive capacities.77,78 Otherwise, it would lead to an excess
of radical activity, causing ineffective decomposition of
ozone.15

The analysis of kinetic constants obtained for 250.0 and
500.0 g GAC shows that phenol oxidation is produced mostly
in the liquid, although it should be noted that all of the
constants shown in Tables 7 and 8 decrease as the number of
cycles increases.

In the case of the adsorption kinetics, despite adsorption
constants having the same order of magnitude, they also
decrease when the number of cycles increases.74 The only
constant that holds a value independent of the number of
cycles is koxS. Consequently, constant koxL includes both the
oxidation occurring in the liquid and that as a result of the
generation of radicals in the solid surface, and reflects most
of the oxidative activity of the system as a whole. This
constant decreases as the number of cycles increases; this
relationship is a direct consequence of GAC deterioration.
Thus, GAC active centres experience a continuous decrease in
their catalyst activity and consequently a progressive decrease
in radical generation.72

Following the same procedure, mineralization was
analysed and the corresponding constants were determined,
using the same kinetic model as the primary degradation but
replacing the phenol concentration with TOC values.

From Table 8, in the mineralization, as in the primary
degradation, most secondary compounds oxidize in the
liquid. The presence of GAC triggers a high quantity of
radicals that cause a considerable increase the kinetic
oxidation constant in the first cycles, when the active sites are
free.79 Nevertheless, the koxL values related to mineralisation
in this case are lower, since the secondary compounds formed

in the reaction are much more refractory.80 Remarkably, in
the case of 250.0 g of GAC, both constant adsorption kinetics
and the oxidation constant in the solid are constant and
independent of the number of cycles. This behaviour is
explained because the GAC reaches the complete development
of its activity.49

The increase in the kinetic oxidation constant in the
liquid was twice that of the kinetic oxidation constant in the
liquid in a non-catalytic ozonisation process, estimated to be
0.15 min−1, while using a bed of 500.0 g of GAC, due to the
greater radical activity of a GAC surface less occupied by
adsorbed phenol. When comparing the kinetic constants
obtained in the primary degradation with those in
mineralization, for this last case, the constants are lower in
all cases by the amount of intermediate products such as
acetic acid,20 which are increasingly refractory, as the
reaction progresses.

A series of experiments of 9, 12 and 15 Ad/Ox cycles were
performed, in which the phenol removal and the
mineralization degree were observed and measured as the
number of cycles increases (see Fig. 10). According to Fig. 10,
the fitting results were good, presenting a determination
coefficient of R2 = 0.97 for primary degradation fitting and
R2 = 0.99 for mineralization fitting. Oxidation kinetics were
slower as the GAC deteriorates to cycle number 15. The
results seem to indicate that if the number of cycles
continues to rise, the kinetics could approach the behaviour
of non-catalytic ozonation. Consequently, the activated
carbon would not have any reactive and catalytic activity,
leading to a less efficient use of ozone.81,82

Fig. 10 shows the progress of successive Ad/Ox 30 min
cycles, which cause a gradual decrement in the phenol

Table 7 Summary of the adsorption and oxidation kinetic constants for the primary degradation of phenol solution and mineralisation, for 6 cycles with
mGAC = 250.0 g. Experimental conditions: C0 = 1000.0 mg L−1, QG = 4.0 L min−1, CO3,G = 19.0 mg L−1, pH = 6.5, V = 10.0 L, T = 20 °C

Evolution Kinetic parameter

Cycle no.

1 2 3 4 5 6

Phenol removal kads × 105, min−1 4.0 4.0 4.0 4.0 4.0 4.0
koxL × 101, min−1 2.5/1.0 2.2/1.0 1.6/0.8 1.1/0.6 1.0/0.4 0.8/0.2
koxS × 101, (mg L−1)/(mg min g−1) 0.1 0.1 0.1 0.1 0.1 0.1

Mineralisation kads × 105, min−1 4.0 4.0 4.0 4.0 4.0 4.0
koxL × 101, min−1 1.4/0.9 1.2/0.9 1.0/0.9 0.6/0.5 0.6/0.3 0.4/0.3
koxS × 101, (mg L−1)/(mg min g−1) 0.1 0.1 0.1 0.1 0.1 0.1

Table 8 Summary of adsorption and oxidation kinetic constants up to 6 cycles during oxidation of phenol solutions. Experimental conditions:
C0 = 1000.0 mg L−1, QG = 4.0 L min−1, CO3,G = 19.0 mg L−1, pH = 6.5, V = 10.0 L, T = 20 °C, mGAC = 500.0 g

Evolution Kinetic parameter

Cycle no.

1 2 3 4 5 6

Phenol removal kads × 105, min−1 9.0 9.0 7.0/3.0 1.0 1.0 1.0
koxL × 101, min−1 7.0/1.0 3.0/1.0 3.0/1.0 2.0/1.0 2.0/0.5 2.0/0.5
koxS × 101, (mg L−1)/(mg min g−1) 0.1 0.1 0.1 0.1 0.1 0.1

Mineralisation kads × 105, min−1 9.0 9.0 7.0 1.0 1.0 1.0
koxL × 101, min−1 3.0/0.1 2.5/0.1 2.0/0.1 1.8/0.1 1.6/0.1 1.4/0.1
koxS × 101, (mg L−1)/(mg min g−1) 0.1 0.1 0.1 0.1 0.1 0.1
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removal from the solution; i.e., 100% phenol is eliminated in
the first cycle, while in cycle number 9, it decreases to 70%,
and after 15 cycles, Ad/Ox barely removes 40% of the initial
phenol.

In addition to the phenol removal, the effect of increasing
cycle number on mineralization was analysed. The
mineralization degree is very similar to the primary
degradation in the early cycles. The GAC characteristics do
not change the very significant participation of the activated
carbon surface in the degree of mineralization; it is about the
same order as the early cycles (until cycle 9; see Fig. 10). Only
when the number of cycles is high (>9) does the primary
degradation become more intense than the mineralization as
a result of a remarkable loss of GAC reactivity. Decreasing
GAC reactivity significantly influences the mineralization and
to a lesser extent the primary degradation, which is less
dependent on the surface of the activated carbon.83

Clearly, when the number of cycles increases, the Ad/Ox
process tends to approach that of non-catalytic ozonation,
either for primary degradation of phenol or for
mineralization, which means that the GAC will deteriorate,
losing efficiency and activity in the phenol degradation
reaction system.

The surface area of the activated carbon is often coated by
the adsorbate. Thus, when the GAC catalytic bed reaches the
maximum phenol adsorption capacity, it must be regenerated
to remove the phenol before reuse. In many occasions, the
cost of the complete replacement of a fixed bed of GAC by
another with pristine GAC is prohibitive.38 The economics of
a regeneration method could be a deciding factor when
choosing the appropriate adsorbent for a given application.84

Therefore, in order to design a more sustainable process,
two chemical regeneration techniques were studied,
regeneration with NaOH and with ozone. Among the
advantages of a regenerative Ad/Ox processes over an Ad/Ox
with AC replacement are the process robustness, waste
reduction and a cost savings of up to 50%. The cost of
replacing a virgin GAC is approximately between $0.70 and
$1.20 per lb while the cost of regeneration ranges between
$0.50 and $0.78 per lb. The operating costs of this operation
depend on the wastewater effluent characteristics and the
GAC adsorption capacity.85

Fig. 11 compares the results of either phenol removal or
mineralization degree, under the conditions described in this
section for two Ad–Ox cycles with intermediate regeneration
stages.

Even though NaOH regeneration is a widely used
treatment,38,39 the post-regeneration mineralization obtained
with this method was poor, losing 20% of the mineralizing
capacity observed in the first cycle. This treatment is based
on the modification of the surface polarity of the oxides in
the carbon, since alkaline pH reduces the sorption forces. In
addition, NaOH can promote decomposition or hydrolysis of
phenol, reducing its sorption over GAC.86 From the results
shown in Fig. 11, this regeneration strategy does not appear
to be suitable for recovering the initial properties of GAC.

Table 9 lists the physicochemical properties of the porous
structure of virgin and regenerated GAC calculated from
nitrogen adsorption data. It is clearly seen that the
regeneration with NaOH produced a decrease of 37 m2 g−1 in

Fig. 11 Degradation kinetics of phenol: (a) primary and (b)
mineralization, using the NaOH and ozone regeneration methods for
GAC Chemisorb® 530. Experimental conditions: C0 = 1000.0 mg L−1,
QG = 4.0 L min−1, CO3,G = 19.0 mg L−1, pH = 6.5, V = 10.0 L, T = 20 °C,
mGAC = 500.0 g.

Fig. 10 Effect of the successive number of use cycles on an Ad/Ox
process. (a) Phenol removal and (b) mineralisation. Experimental
conditions: C0 = 1000.0 mg L−1, QG = 4.0 L min−1, CO3,G = 19.0 mg L−1,
pH = 6.5, V = 10.0 L, T = 20 °C, mGAC = 500.0 g.
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the specific surface area and the volume of the micropore.
The latest was also observed in ozone regeneration. A slight
increase in the volume of mesopores was observed with
ozone regeneration, as a consequence of the widening of
micropores produced by ozone. Overall, some destruction of
pores and a decrease of PZC from 9.69 to 8.18 for NaOH
regeneration and 9.35 for ozone regeneration were observed.
However, these changes are more pronounced in the NaOH
regeneration. This can explain the lowering of the GAC
adsorption properties. First, a lower specific surface area is
available for adsorption. Second, according to Alvárez et al.,87

the decrease of PZC is due to the increase in the polarity of
the GAC external surface.

These structural changes in the GAC were also observed
by Álvarez et al. and He et al.,40,41 where they observed a 15%
decrease in the specific surface area and in the PZC.
Conversely, regeneration with ozone resulted in a greater
catalytic activity recovery, reaching a regeneration percentage
of 91.5% due to degradation of phenol and phenol by-
products. According to Álvarez et al. and Vega & Valdes,41,83

this result may be because the O3/GAC ratio used during the
regeneration stage leads to a lower formation of acidic oxygen
groups on the surface (SOG), which are responsible for
creating obstructions in the entrance of micropores, which
may inhibit the adsorption of phenol during use after the
regeneration stage.

Conclusions

The combination of adsorption and ozonation (an Ad/Ox
process), simultaneously with PAC or GAC, produces an
improvement in both the kinetics of phenol removal and the
mineralization degree compared to a simple ozonation
process, even when low ozone dosages are used. The
elimination improvement is mainly related to the generation
of radicals in the liquid phase.

GAC has a favourable effect, obtained through an Ad/Ox
process, compared with a simple ozonation process. The
improvement in the amount of phenol eliminated is evident
with values exceeding 100% in all analysed cases. The
kinetic constant of adsorption, kads, is a fundamental
parameter to characterize the batch adsorption–ozonation

process. This, together with Freundlich adsorption
parameters, is fundamental for adjusting the experimental
data during the initial transient period. An appropriate
combination of both, together with the ozonation kinetics
concerning koxL in the liquid and koxS in the solid,
determines not only the initial transient stage but also the
time to reach a steady state.

The succession of consecutive cycles does not affect the
oxidation constant observed in the solid, koxS, either for
mineralization or for primary degradation, suggesting the
decisive participation of surface phenomena in
mineralization. In contrast, the value of the oxidation
constant in the liquid, koxL, becomes halved during
mineralization compared with phenol removal, because of the
more refractory nature of degradation intermediates. Another
observed effect involves the continuous decrease of koxL as a
consequence of the progressive occupation of the GAC surface
by the phenol and its derivatives during the process.

During simultaneous Ad/Ox, the predominant ozone
action occurs in the liquid phase because of the greater
oxidation constants than in the solid. The value of these
liquid phase kinetic oxidation constants decreases as the
number of cycles increases, likely due to the decrease in
active centres in the GAC, causing the generation of radicals
to decrease. Consequently, as the number of cycles increases,
the removal efficiency approaches that obtained through
simple ozonation, both for primary mineralization and
phenol elimination, which indicates that the GAC has
deteriorating adsorptive and reactive functions.

Nomenclature

a1 Specific contact area G–L, m−1

a2 Specific contact area L–S, m−1

β Activity coefficient related to adsorption energy,
mol2 kJ−2

C0 Initial concentration of phenol, mg L−1

C∞ Equilibrium concentration of phenol, mg L−1

CO3
Ozone concentration, mg L−1

CO3,L Ozone concentration in liquid, mg L−1

C*
O3

Concentration of ozone in the equilibrium with the
ozone adsorbed on the activated carbon, mg L−1

Table 9 Physicochemical properties of virgin GAC, after its use in phenol removal and after NaOH or ozone regeneration. Experimental conditions:
C0 = 1000.0 mg L−1, QG = 4.0 L min−1, CO3,G = 19.0 mg L−1, pH = 6.5, V = 10.0 L, T = 20 °C, mGAC = 500.0 g

Property
Kemisorb® 530
GR 12x40 Kemira Spent GAC

After NaOH
regeneration

After O3

regeneration

SBET, m
2 g−1 961.5 830.5 924.5 955.5

Sext, m
2 g−1 410.4 289.2 358.1 407.1

VT, cm
3 g−1 0.38 0.26 0.30 0.37

Vμ, cm
3 g−1 0.24 0.15 0.17 0.21

VM, cm
3 g−1 0.14 0.11 0.13 0.16

VM/VT, % 36.8 42.3 43.3 43.0
Vμ/VT, % 63.2 57.7 56.7 56.8
DP, Å 27.9 22.1 23.3 26.6
pHpzc 9.69 7.61 8.18 9.35
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CO3,i Ozone concentration at the gas–liquid interface,
mg L−1

Ct Concentration of phenol at a given time t,
mg L−1

CP Concentration of phenol in the liquid, mg L−1

CO3,G Ozone concentration in the gas phase at the
ozonator inlet, mg L−1

CS
O3;i

Ozone concentration in the liquid–solid interface,
mg L−1

Dapp Apparent diffusivity, cm2 s−1

ε Polanyi potential
E Adsorption free energy per molecule, kJ mol−1

Ea Activation energy, J mol−1

γ Activity coefficient, dimensionless
ΔG Free energy changes, J mol−1

He Henry's constant, bar L mg−1

ΔH Enthalpy change, J mol−1

kc,L Elemental kinetic constant for the ozonation in the
liquid, L mg−1 min−1

kc,S Elemental kinetic constant for the ozonation in the
solid, L mg−1 min−1

K*
G Ozone transfer constant for the whole process,

mg bar−1 L−1 min−1

K*
L Global ozone transfer constant in the liquid

including parallel reaction stages, mg bar−1 L−1 min−1

KS
L Global ozone transfer constant in the L–S interface,

including the in-series reaction in the solid,
mg bar−1 L−1 min−1

KG Global ozone transfer constant in the L–S interface,
mg bar−1 L−1 min−1

kL Liquid-layer ozone transfer constant in the L–S
interface, mg bar−1 m−2 min−1

kG Ozone transfer constant in the G–L interface,
mg bar−1 m−2 min−1

kS Solid-layer ozone transfer constant in the G–L
interface, mg bar−1 m−2 min−1

koxL Kinetic constant of phenol oxidation in the liquid,
min−1

koxS Kinetic constant of phenol oxidation in the solid,
(mg L−1)/(mg min g−1)

kads Kinetic constant of phenol adsorption, min−1

KF Freundlich constant, (mg g−1) (L mg−1)1/nF

KL Langmuir equilibrium constant, L mg−1

k1 Pseudo first order rate constant, min−1

k2 Pseudo second order rate constant, g mg−1 min−1

k0 Frequency factor
m Slope of the equilibrium line between the liquid

and solid phase
M Adsorbent mass, g
η Dimensionless spatial variable, dimensionless
NO3

Whole ozone consumption: NO3 ¼ NI
O3

þ NII
O3
,

mg L−1 min−1

NI
O3
;N II

O3
Ozone consumption in the liquid, and in the solid,
mg L−1 min−1

nF Heterogeneity factor, dimensionless
PO3

Partial pressure of ozone in the gas phase, bar

P*
O3

Partial pressure of the ozone in equilibrium with
the adsorbed ozone on the solid, bar

PO3,i Partial ozone pressure at the gas–liquid interface,
bar

P∧
O3

Partial pressure of ozone in equilibrium with C*
O3
,

bar
qt Amount of phenol adsorbed at a time t, mg g−1

q∞ Amount of phenol adsorbed on activated carbon,
mg g−1

qs Maximum amount of adsorbate that can be
adsorbed on adsorbent, mg g−1

QG Gas flow, L min−1

R Universal gas constant, J mol−1 K−1

rA Radius at a given distance, cm
RA Radius of spherical particles, cm
ΔS Entropy change, J mol−1 K−1

T Temperature, K
t Time, min
τ Dimensionless time, dimensionless
V Volume of dissolution, L
w Activated carbon concentration, g L−1

z Stoichiometric relation of the reaction between
phenol and ozone

ZO3
Ozone concentration onto activated carbon, mg L−1

ZO3,i Ozone concentration in the liquid–solid interface,
mg g−1

ZP Concentration of phenol in the solid, mg g−1

ZP,∞ Amount of phenol adsorbed in the solid in
equilibrium, mg g−1
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Abstract: This work studied the removal of phenol from industrial effluents through catalytic
ozonation in the presence of granular activated carbon in a continuous fixed-bed reactor. Phenol
was chosen as model pollutant because of its environmental impact and high toxicity. Based on the
evolution of total organic carbon (TOC) and phenol concentration, a kinetic model was proposed to
study the effect of the operational variables on the combined adsorption–oxidation (Ad/Ox) process.
The proposed three-phase model expressed the oxidation phenomena in the liquid and the adsorption
and oxidation on the surface of the granular activated carbon in the form of two kinetic constants, k1

and k2 respectively. The interpretation of the constants allow to study the benefits and behaviour
of the use of activated carbon during the ozonisation process under different conditions affecting
adsorption, oxidation, and mass transfer. Additionally, the calculated kinetic parameters helped
to explain the observed changes in treatment efficiency. The results showed that phenol would be
completely removed at an effective contact time of 3.71 min, operating at an alkaline pH of 11.0 and
an ozone gas concentration of 19.0 mg L−1. Under these conditions, a 97.0% decrease in the initial
total organic carbon was observed.

Keywords: catalytic ozonation; three-phase modelling; fixed-bed reactor; wastewater treatment;
phenol; granular activated carbon; Ad/Ox

1. Introduction

Increases in the world population and the industrial revolution have brought many
advantages to humanity. However, the intensive use and pollution of natural resources
is leading many developed countries on the European and American continents towards
an ecological deficit by the first third of the 21st century [1]. For this reason, national
governments are encouraging the improvement of manufacturing production processes to
increase the efficiency of water resources, as well as raw materials, in order to minimise the
environmental impact of goods produced. In the context of water scarcity, the responsible
use and management of wastewater is a desirable objective [2].

To safeguard the environment and public health, it is necessary the development and
implementation of effective wastewater treatment that allow us to exceed the quality stan-
dards regulated by the U.S. Environmental Protection Agency’s (EPA) Water Quality Stan-
dards Regulation (WQSR) [3] or the Water Framework Directive (Directive 2000/60/EC) of
the European Union [4]. This is one of the highest-priority challenges that society must
solve in the next decade. In fact, in 2015, the United Nations (UN) included SDG 6 on Clean
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Water and Sanitation in the Sustainable Development Goals (SDGs) for the safe treatment
of wastewater, to ensure the availability of water and its sustainable management for future
generations [5].

A common example of this type of pollution is phenolic wastewater from the cellulose,
oil refining, metallurgical, and plastics industries [6]. Phenol is an EPA priority compound
listed on the Contaminant Candidate List 4 (CCL4) [7] of substances that are of high toxicity
to humans and aquatic life. In humans, phenol has been reported as a potential source of
skin irritation and kidney problems, and it has been associated with leukaemia and other
mutagenic diseases [8]. Toxicity levels harmful to humans and aquatic life are between 9
and 25 mg L−1 [9]. In many countries, such as Brazil, its discharge into the environment is
limited to a concentration of 0.5 mg L−1 and in the USA, to a concentration of less than
0.001 mg L−1.

Different treatment methods have been proposed for the removal of phenols from
wastewater, the most traditional being chemical oxidation by Fenton reaction (100%) [10],
adsorption (26%) [6], extraction by liquid membrane emulsion (72%) [11], coagulation and
precipitation (36.8%) [12], or activated sludge (87%) [9]. Other biological treatments [13],
especially enzymatic treatments, using peroxidases (98%) [14] or tyrosinase (25%) [15]
reduced the phenol concentration after 30 and 2 h respectively. Activated sludge is one
of the most widely used treatments due to its low cost and ease of handling, but it is
limited in applicability because the microorganisms, despite prior acclimatisation, are
incapable of treating phenol concentrations of more than 100 mg L−1. This is due to the low
biodegradability of these effluents and the inhibitory effects that these concentrations of
phenol have on the microorganisms [16]. Unfortunately, many wastewaters from chemical
and petrochemical industries far exceed these concentrations. For example, in the coke
industry and petrochemical plants concentrations in the range of 28–3900 mg L−1 are com-
mon [17]. Other treatments based on adsorption on activated carbons could be a feasible
alternative. Adsorption is considered one of the most efficient and effective methods to
separate emerging pollutants such as diclofenac [18] and petrochemical effluents contain-
ing benzene and toluene [19], due to its simplicity and flexibility of use, its high porosity,
large specific surface area and, the high degree of surface interactions [20]. However, the
presence of organic content in the wastewater could be a potential limitation because it
could interfere in pollutants removal efficiency by competing for adsorption active sites on
activated carbon [21]. Consequently, given the complexity of typical aqueous effluents in
the industry, adsorption alone would not be the most suitable method.

In order to provide efficient solution for the treatment of these effluents, advanced
oxidation processes (AOPs) have attracted the interest of many researchers due to their
advantages [22,23]. Among the many existing AOPs, ozonation is a process with a high
oxidation potential, which can lead to efficient removal of organic compounds, such as
pharmaceuticals, personal care products, pesticides, solvents and surfactants, even at
low ozone concentrations [24–26]. However, certain groups of organic compounds are
particularly refractory to oxidation by ozone, such as carboxylic, oxalic, and pyruvic
acids [27].

A combination of ozonisation and adsorption processes with activated carbon (AC)
could be more efficient and sustainable treatment for wastewaters containing refractory
organic pollutants. Some of the previous studies in which catalytic ozonisation processes
with activated carbons were used for the removal of different organic compounds are listed
in Table S1. According with Table S1, catalytic ozonation with granular activated carbons
(GAC) could overcome the limitations of ozonation due to the adsorption capacity, high
surface area, and the catalytic activity.

The catalytic mechanism of ozonisation in the presence of GAC is still unclear, but
recent results suggest that the carbon essentially promotes the decomposition of ozone with
a consequent increase in the production of radicals. These hydroxyl radicals would not be
bound to the surface, remaining free to react in the aqueous phase. Therefore, the activated
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carbon would behave as an initiator of the radical-like chain reaction that transforms ozone
into hydroxyl radicals, which in turn react with the organic compounds in the bulk [28].

On the other hand, other authors, such as Nawrocki and Kasprzyk-Hordern [29] and
Guo et al. [30], have postulated that the activated carbon initiates the decomposition of
ozone into hydroxyl radicals, and then the ozone reacts with the superficial oxygenated
groups to generate H2O2, which in turn reacts with the ozone in the bulk to produce
hydroxyl radicals. In other words, in this model, the catalyst plays a dual role during the
catalytic ozonisation process. First, it adsorbs and decomposes the ozone, leading to the
formation of active species, and then the active species reacts with the non-chemisorbed
organic compounds. In addition, the activated carbon adsorbs organic compounds, and
then reacts with the oxidising species generated on the catalyst’s surface via the Criegee
mechanism [31].

These mechanistic reactions of ozone decomposition and radical reactions, depending
on the pH of the medium, can be summarised, according to Beltrán et al. [26]:

• Homogeneous reaction (at the liquid level):

O3 + OH− → HO−2 +O2 (1)

O3 + HO−2 → HO•2+O•−3 (2)

O3 + Initiator→ O•−3 + Initiator+ (3)

HO•2 � O•−2 + H+ (4)

• Heterogeneous reactions (at the level of the solid):

For an acid pH:
O3 + GAC � O3 −GAC (5)

O3 −GAC � O−GAC + O2 (6)

O3 + O−GAC � 2O2 + GAC (7)

For an alkaline pH:
OH−+GAC � OH−GAC (8)

O3+OH−GAC � O•3 −GAC + HO• (9)

O3+O• −GAC � O•−2 +GAC + O2 (10)

• Homogeneous propagation and termination reactions:

O3 + O2
− → O•−3 +O2 (11)

O•−3 + H+ → HO•3 (12)

HO•3 → HO• + O2 (13)

HO•3 + Scavenger→ Oxidation products (14)

According with this, the integration of a GAC catalyst into a continuous adsorption–
ozonisation (Ad/Ox) process would lead to a complete removal and mineralisation of
phenol containing waters. Ad/Ox process is a complex system involving different aspects,
such as mass transfer and radical generation or adsorption equilibria, among others. Few
studies deepened the kinetics of the process with the prospect of implementation of this
catalytic technology on an industrial scale. Thus, a study of the behaviour of the system
operating in a fixed-bed under different operating conditions through a kinetic model
could provide the necessary information to achieve the desired final scale-up.

Given the excessive number of variables involved in Ad/Ox process, some of which
are unknown, it is impossible to develop a rigorous model, let alone propose a detailed
reaction mechanism. Consequently, from a practical point of view, a model employing
experimental data derived under different operational conditions can serve as a basis for
real applications, as long as the model adequately simulates the experimental data.
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Therefore, this study aimed to develop a three-phase kinetic model of a continuous
process in a fixed-bed catalytic ozonation (Ad/Ox) treatment with granular activated
carbon (GAC). Phenol was chosen as a model organic pollutant because of its environmental
impact, high toxicity, and occurrence in the industry. It has been proposed a kinetic model
that includes mass transfer parameters, adsorption equilibria, and reaction rate constants
at the solid and liquid surface, to analyze the effect of operating conditions and to identify
the operational strategies that will lead to increased degradation and mineralisation rates.

2. Results and Discussion
2.1. Removal of Phenol and Mineralisation

In order to study the influence of GAC on phenol removal, a preliminary experiment
was performed with ozone alone in a fixed-bed reactor, with an inert material (glass
spheres) and adsorption or ozonation only in the presence of GAC, in order to evaluate
the improvement achieved by activated carbon. The transitory profiles of the primary
degradation and mineralisation of the three systems are compared in Figure 1.

Figure 1. Comparison of ozonation alone, adsorption, and catalytic ozonation processes with GAC in a fixed-bed reactor for
phenol removal. Evolution of (a) primary degradation and (b) mineralisation in terms of TOC. Experimental conditions:
C0 = 250 mg L−1; QG = 0.05 L h−1; CO3 ,G = 12.0 mg L−1; QL = 12 mL min−1; pH = 6.5; MCAT = 70.8 g L−1; P = 1.0 atm;
T = 20 ◦C; V = 0.14 L.

Ozonation alone achieved a primary degradation of only 10% (see Figure 1). This low
degradation could be due to the oxidation potential of ozone being lower (E◦ = 2.07 V) than
that of the hydroxyl radicals (E◦ = 2.80 V) generated by the indirect reactions associated
with the decomposition of ozone in the presence of GAC [22]. The mineralisation of phenol
in the catalytic system was more efficient compared with ozonation alone or adsorption,
with a 41.7% mineralisation achieved 20 min after reaching the steady state.

As can be seen in Figure 1b, the mineralisation obtained by catalytic ozonisation
with GAC does not match the sum (35.0%) of the efficiencies obtained by ozonisation
or adsorption with GAC. According to Lin et al. [32], this could be because during the
catalytic ozonisation adsorption, reaction, and desorption processes of oxidised pollutants
were involved, in contrast to the ozonisation. In overall, the results indicate that GAC had
some catalytic activity to increase the generation of oxidative species responsible for the
degradation of phenol. This same effect was observed by Xiong et al. [33], who obtained
26.1% additional mineralisation using the catalytic system with GAC in a basket reactor,
compared with adsorption or ozonisation alone. According with their research, the lower
molecular weight of the oxidation by-products adsorbed onto the GAC could explain the
higher removal obtained in comparison with ozone alone.
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2.2. Kinetic Model of the Ad/Ox Process Operated in a Continuous Fixed-Bed Reactor

The implementation of this system on an industrial scale requires predictions of the
system’s behaviour. Therefore, the development of the three-phase model was based on
the considerations made by Ferreiro et al. [17], in which the G–L–S ozone mass transfer, the
adsorption process of both ozone and phenol, and the parallel chemical reaction occurring
at both the liquid and solid levels were taken into account. The application of the Ad/Ox
model in a continuous system was based on the following considerations:

• The overall oxidation rate of the process is represented by the ozone consumption in
the parallel reaction process (both at the liquid and solid level);

• The oxidation rate of the parallel stages, in the liquid phase and on the GAC, were
represented by pseudo-first-order kinetics with respect to phenol;

• The GAC was considered a sufficiently porous material, where the diffusion of ozone
and phenol into the catalyst particles took place;

• The adsorption kinetics during the Ad/Ox process are represented by a pseudo-
second-order kinetic equation (Equation (20));

• The kinetic constant of phenol removal in the solid incorporates the degradation and
desorption of organic compounds;

• The degradation kinetics in both liquids and solids, as well as the adsorption, are
influenced by the operational conditions of the ozonisation process.

Taking into account the above, the combined process of the physical adsorption and
oxidation of phenol must be described through its correlation with ozone consumption.
Therefore, the following expression was defined, which relates the rate of phenol oxidation,
−rP, to the ozone consumed:

− rP = −dFP

dV
= z× NO3 , (15)

where z is the stoichiometric coefficient of the reaction between transferred ozone and
oxidised phenol, V is the bed volume, FP is the phenol mass flow and NO3 is the total ozone
consumption. From the ozone consumption in the liquid (NI

O3 ) and the production of
ozone at the GAC’s surface (NII

O3 ), the following expressions (Equations (16)–(18)) were
obtained:

NO3 = NI
O3

+ NII
O3

= KLa×
(

C∗O3,L − CO3,L

)
(16)

NI
O3

= kc,L × CO3,L × CP = kc,L × CP ×
(
CO3,L − 0

)
= kc,L × CP ×

(
P∗O3

He
− 0

)
(17)

NII
O3

= kc,S ×
CO3,L

m
× ZP ×M

CAT
, (18)

where KLa is the volumetric ozone mass transfer coefficient, C*O3,L is the concentration of
dissolved ozone in the liquid phase at saturation conditions, kc,L is the kinetic constant of
the reaction between phenol and ozone at the liquid level, CO3,L is the ozone concentration
in the liquid phase, CP is the phenol concentration, P*O3 is the partial pressure of ozone in
equilibrium with the ozone concentration in the liquid phase, He is Henry’s constant, ZP is
the concentration of phenol adsorbed on the GAC, and MCAT is the GAC concentration.
Equation (18) assumes that the ozone adsorbed on the solid phase catalyst is in equilibrium
with the ozone concentration in the liquid, which can be expressed as CO3,L = m × C*O3,S,
where m is the slope of the equilibrium line between the liquid and solid phases.

After the description of the phenol degradation process through ozone consumption,
the adsorption equilibrium must have been taken into account in the kinetic model of
the Ad/Ox process, because the catalytically functional adsorbent used in this system
was GAC, a material with high porosity and large available specific surface area. The
equilibrium was assumed to be a Freundlich isotherm, in accordance with the adsorption
experiments carried out in previous studies of the same GAC [17]. Freundlich equation
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was used because the adsorption step in these systems is usually a quick process [34].
Freundlich’s equation is given by the following expression [24]:

ZP,∞ = KF × C1/nF
P (19)

where ZP,∞ is the concentration of phenol in equilibrium with the concentration of the
liquid phase, KF is the Freundlich constant and nF is a factor describing the adsorption
intensity. Consequently, the kinetics corresponding to the adsorption process could be
described through pseudo-second-order kinetics, according to the following equation [35]:(

−dZP

dt

)
ads

= kads × (ZP,∞ − ZP)
2 ×MCAT (20)

To describe the evolution of the phenol concentration over time at each longitudinal
position of the fixed-bed tubular system, It have been used the axial dispersion model of
Alhemed et al. [36]. The measurement of axial dispersion considers the possible deviation
from ideal flow due to turbulence, as well as changes in bed characteristics and gas
presence. For a tubular system, with one-dimensional flow and first-order kinetics, the
axial dispersion is given by the following Equation (21):

ν× dCP

dL
− DL ×

d2CP

dL2 = 0 (21)

where DL is the axial dispersion coefficient, L is the length of tubular reactor (GAC bed
height), and ν is the linear flow velocity of the fluid. Through Equations (19)–(21), the
overall velocity, incorporating the kinetic terms of adsorption, chemical reaction and
dispersion, can be inferred from the following general expression:(

−dCP

dt

)
=

(
−dCP

dt

)
disp

+

(
−dCP

dt

)
ads

+

(
−dFP

dV

)
ox

, (22)

To determine the evolution of phenol oxidation with reaction time and reactor position
during a continuous catalytic ozonation process (Ad/Ox) on a GAC bed, for a dL volume
it was obtained the following Equation (23):

ν× ∂CP

∂L
− DL ×

∂2CP

∂L2 +
∂CP

∂t
+

(
1− ε

ε

)
× ∂ZP

∂t
+ kP × Cn

P = 0, (23)

where ε is the bed porosity, kP is the kinetic constant that relates the reaction of ozone to
the phenol in both the liquid and the solid, and n is the kinetic order reaction. Considering
that the chemical reaction takes place both in the liquid and at the surface of the GAC, it
have been obtained the following Equation (24) from Equations (17) and (18):

− rO3 = kc,L × CO3,L × CP + kc,S ×
CO3,L

m
× ZP = kc,L × CO3,L × CP + kc,S ×

CO3,L

m
×M2

CAT × KF × C1/nF
P (24)

Assuming that the ozone concentration is constant after an initial transitory period,
and that the ozone distribution in the liquid and solid is proportional to its
consumption [17,37], the following global kinetic constants, k1 and k2, were defined, which
incorporated the chemical reaction and mass transfer, leading to the following expression:

ν×
∂CO3,L

∂L
− DL ×

∂2CP

∂L2 +
∂CO3,L

∂t
+ k1 × CP + k2 × C1/nF

P = 0, (25)

where k1 and k2 are the kinetic constants of phenol removal, referring to the liquid and solid
phases, respectively. The combination of Equations (19)–(21) and (25) offers a description
of the evolution of the phenol concentration in the system through the determination of
the kinetic, fluodynamic, and equilibrium parameters.
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2.3. Determination of the Characteristic Parameters of the Continuous Ad/Ox System

Due to the high complexity of the three-phase Ad/Ox model, before solving the equa-
tions describing the process, it was necessary to determine the characteristic parameters of
the system. The characteristic parameters it have been considered the interstitial velocity,
dispersion coefficient, kinetic constants of adsorption and equilibrium parameters.

The interstitial velocity was determined from the velocity at which the liquid flows
through the voids in the bed, according to Equation (26):

ν =
QL

A× ε
(26)

where QL is the liquid flow rate through the bed voids and A is the cross-sectional area
of the reactor. With the studied flow rate (QL = 12 mL min−1) and void fraction (ε = 0.32),
an interstitial velocity of 5.8 cm min−1 was obtained. Another characteristic parameter
was the axial dispersion coefficient, which characterises the degree of back-mixing of the
flow. For a flow rate QG = 0.2 mL min−1, a dispersion coefficient DL = 12.8 cm2 min−1 was
obtained.

Regarding the residence time, the ratio of liquid and gas volumes was considered to
be proportional to their respective flow rates. Consequently, both liquid and gas take the
same time to circulate through the GAC fixed-bed column. For the studied flow rate, an
empty bed contact time (EBCT) of 11.6 min was estimated. This value coincided with the
time commonly used (10–30 min) in industrial water treatment processes in real plants [38].

With respect to the determination of the mass transfer coefficient of the reaction system
(KLa) was estimated from ozone concentration in the gas (see Figure S1) for each pressure
and ozone flow rate with a determination coefficient of R2 ∼= 0.99 (see Figures S2 and S3).
It was observed that with increasing gas flow rate, the mass transfer coefficient increased
slightly from 0.130 to 0.183 min−1 at a flow rate of 0.05 and 0.4 L h−1 respectively. Regarding
the pressure it was observed an increased from 0.110 to 0.125 min−1 at a pressure of 1.0 and
2.5 atm respectively. Obtained KLa values were according with other ozonation systems of
literature [24,27].

Finally, it have been discussed the equilibrium and kinetic adsorption parameters
necessary for the resolution of Equations (19)–(21) and (25). The adsorptive characteristics
of the GAC at different pH conditions between 3.0 and 11.0 are shown in Figure 2.

Figure 2. Determination of the adsorption parameters for the different pH values studied and at a temperature of 20 ◦C.
(a) Adsorption isotherms of phenol on GAC; (b) evolution of adsorption kinetics fitted to a pseudo-second order model for
different hydraulic retention times.

All phenol adsorption isotherms in Figure 2a were fitted by the empirical Freundlich
multilayer adsorption model, which assumes the existence of interactions between the
adsorbed molecules on the adsorbent [39]. Figure 2b shows the adsorption kinetic profiles
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fitted to a pseudo-second order model, which assumes that the chemical reaction is sig-
nificant. The adsorption parameters necessary to the Ad/Ox kinetic model were listed in
Table 1. A regression analysis of the experimental data showed a coefficient of determina-
tion R2 > 0.98, indicating that both the Freundlich isotherm and the pseudo-second-order
kinetic model adequately described the adsorption phenomena. The amount of phenol
adsorbed on the GAC surface was greater (KF = 2.01 (mg g−1) (L mg−1)1/n

F) at neutral
pH than that at an alkaline pH (KF = 1.49 (mg g−1) (L mg−1)1/n

F). This could be because
when the pH of the solution is higher, the electrostatic interactions of attraction between
the phenol and the GAC are lower [40].

Table 1. Summary of the kinetic parameters obtained from the pseudo-second-order and equilibrium
model determined via the Freundlich isotherm model for the adsorption of phenol on the GAC’s
surface at a temperature of 20 ◦C and different pH values.

pH = 3.0 pH = 6.0 pH = 9.0 pH = 11.0

Equilibrium

KF, (mg g−1) (L mg−1)1/n
F 1.89 2.01 1.82 1.49

nF 1.12 1.19 1.10 1.06
R2 0.981 0.995 0.984 0.991

Kinetic

kads, g mg−1 min−1 2.77 × 10−4 3.10 × 10−4 2.52 × 10−4 4.85 × 10−5

R2 0.992 0.987 0.996 0.993

In order to explain the effect of pH on the adsorption phenomenon in more detail,
the zeta potential was determined over a wide range of pH (2.5–11.5) (Figure 3). Based
on obtained zeta potential values, at pH = 7.0, it was observed that the attraction due to
electrostatic charge was greater than at other acidic or alkaline pH values. This is because
their potential value (32.2 mV) was higher than that observed at pH = 3.0 (30.53 mV) or
pH = 9.0 (10.47 mV). In contrast, at pH = 11.0, a lower adsorption capacity was achieved
because of the repulsive forces between the negative charges of the phenol and the GAC
surface difficult the adsorption of phenol. For this reason, the zeta potential value was
−2.2 mV. Although higher adsorption of phenol would be achieved at neutral or acidic pH,
oxidation by catalytic ozonation will be more effective at alkaline pH values because the
generation of more hydroxyl radicals is promoted. Consequently, it will be necessary to
work at higher pH values even if the adsorptive properties of the GAC are lost.

Figure 3. Evolution of the GAC’s zeta potential at different pH values.
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2.4. Effect of Operational Conditions and Kinetic Model Validation

In order to establish the most favourable operational conditions leading to higher
mineralisation and primary degradation, the effects of system pressure, ozone dose, ozone
flow rate, initial phenol concentration, and pH on the fixed-bed reaction system with GAC
were analysed. Figure 4 shows the transient profiles of the obtained primary degradation
and mineralization, fitted to the proposed Ad/Ox model.

Figure 4. Effect of operational conditions on the primary degradation and mineralisation of phenol-containing waters during
a catalytic ozonation process with GAC: (a,b) pH 1, (c,d) pressure 2, and (e,f) ozone concentration at inlet 3, showing the
experimental profiles and fitted to the Ad/Ox kinetic model. Experimental conditions: 1 CP0 = 250.0 mg L−1, P = 1.0 atm,
CO3,G = 12.0 mg L−1, QL = 12 mL min−1, QG = 0.05 L h−1, V = 0.14 L; 2 CP0 = 250.0 mg L−1, pH = 11.0,
CO3,G = 12.0 mg L−1, QL = 12 mL min−1, QG = 0.05 L h−1, V = 0.14 L; 3 CP0 = 250.0 mg L−1, P = 2.5 atm, pH = 11.0,
QL = 12 mL min−1, QG = 0.05 L h−1, V = 0.14 L.
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According to Figure 4a,b, the pH of the solution plays an important role in the catalytic
ozonation of phenol, as well as in the mass transfer and its subsequent decomposition [24].
As the pH of the solution increased, the rate of degradation and mineralisation increased,
becoming higher than at more acidic pH. This is because at more alkaline pH, the oxidation
mechanism involved is predominantly radicalary and generates more HO• due to the
higher concentration of hydroxide anions, and, consequently, a higher oxidation potential
(E◦ = 2.80 V) [41] as shown in Figure S4a. In contrast, at weakly acidic pH levels, the pre-
dominant mechanism is the direct reaction of ozone, as this pathway is more selective [27].
This statement could lead to an error, given that at pH = 11.0, the participation of the direct
reaction of ozone with phenol is insignificant. This is because depending on the pH, phenol
can dissociate, according to the equilibrium shown in Equation (27) [17]:

C6H5OH(aq) + H2O(l) � C6H5O−(aq) + H3O+(aq) pKa = 9.95 (27)

According to Equation (27), the nature of these species could affect the reactivity
with ozone. At acidic pH, electrophilic substitution reactions with ozone (direct reaction)
would be promoted due to the character of the substituent groups. However, since the
–O– group of phenolate ion is more reactive group (k = 1.4 × 109 M−1 s−1) than –OH
(k = 1300 M−1 s−1) of phenol [22], the reactivity of ozone increases with pH to attack the
pollutant. Consequently, at pH = 11.0, complete primary degradation and mineralisation
was achieved, with a total organic carbon reduction of 88.5%.

This same behaviour was observed by Xiong et al. [33]—in a slurry-type reactor. A
mineralisation of 70.2% was achieved operating at an alkaline pH. Oyher authors such
as, Chand et al. [42] observed an increase of 7.2% in phenol mineralisation operating at a
slightly alkaline pH (pH = 9.0). The difference in efficiency observed could be due to the pH
plays a determining role in the charge of the surface hydroxyl groups on the catalyst. In this
respect, the adsorptive properties of the GAC could contribute to the greater adsorption
of the degradation by-products, and, consequently, to a greater reduction in TOC. In any
case, the contribution of adsorption during the catalytic ozonisation of phenol-containing
waters did not comprise more than 5–23% of the TOC removal [43].

In order to validate the Ad/Ox kinetic model for the proposed continuous catalytic
ozonisation process, the dynamics were adjusted for the different operational conditions. In
Table 2, the values of the kinetic constants obtained after adjusting the profiles for the anal-
yses of both primary degradation and mineralisation are shown. According to the relative
standard error values, in general terms, the fit was good, showing an RSE of approximately
5% for the primary degradation and mineralisation profiles. According to the kinetic
constant k2, referring to the solid, slight increases were observed at neutral (4.6 ×10−3

(mg L−1) (mg g−1 GAC min)−1) and acidic (3.8 × 10−3 (mg L−1) (mg g−1 GAC min)−1)
pH values, agreeing with the adsorption phenomenon described above. Respect the kinetic
constant of the liquid (k1), at alkaline pH (k1 = 0.20 min−1), it was observed in Figure
S4a, an increased production of radical species capable of degrading a phenol-containing
effluent. The kinetic constants obtained from the evolution of the mineralisation were lower
due to the more refractory nature of the degradation products such as p-benzoquinone
(k = 2.5 × 103 M−1 s−1) or catechol (k = 5.2 × 105 M−1 s−1) according with Figure S5 [22].
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Table 2. Summary of the adsorption and oxidation kinetic constants of the Ad/Ox kinetic model related to the removal and
mineralisation of phenol during catalytic ozonation with GAC.

Parameter/Evolution
Effect of pH 1

pH = 3.0 pH = 6.0 pH = 9.0 pH = 11.0

Phenol removal
k1 (min−1) 0.05 0.09 0.12 0.20

k2 × 103 (mg L−1)(mg g−1 GAC min)−1 3.8 4.6 3.7 2.1
RSE (%) 4.5 5.3 5.0 4.8

Mineralisation
k1 × 101 (min−1) 0.009 0.017 0.022 0.038

k2 × 104 (mg L−1)(mg g−1 GAC min)−1 0.71 0.86 0.69 0.39
RSE (%) 3.7 4.1 3.9 4.4

Effect of pressure 2

P = 1.0 atm P = 1.5 atm P = 2.0 atm P = 2.5 atm

Phenol removal
k1 (min−1) 0.20 0.21 0.22 0.23

k2 × 103 (mg L−1)(mg g−1 GAC min)−1 2.1 2.1 2.1 2.2
RSE (%) 4.1 4.6 4.0 5.2

Mineralisation
k1 × 101 (min−1) 0.038 0.039 0.041 0.044

k2 × 104 (mg L−1)(mg g−1 GAC min)−1 0.39 0.39 0.39 0.42
RSE (%) 4.5 4.2 4.7 4.3

Effect of ozone gas concentration 3

CO3 ,G = 7.0 mg L−1 CO3 ,G = 12.0 mg L−1 CO3 ,G = 19.0 mg L−1 CO3 ,G = 26.0 mg L−1

Phenol removal
k1 (min−1) 0.19 0.23 0.24 0.15

k2 × 103 (mg L−1)(mg g−1 GAC min)−1 2.0 2.2 2.4 1.8
RSE (%) 5.3 4.9 4.9 5.1

Mineralisation
k1 × 101 (min−1) 0.036 0.044 0.045 0.028

k2 × 104 (mg L−1)(mg g−1 GAC min)−1 0.37 0.42 0.45 0.34
RSE (%) 4.8 4.2 4.6 4.7

Effect of ozone flow rate 4

QG = 0.05 L h−1 QG = 0.1 L h−1 QG = 0.2 L h−1 QG = 0.4 L h−1

Phenol removal
k1 (min−1) 0.24 0.25 0.26 0.27

k2 × 103 (mg L−1)(mg g−1 GAC min)−1 2.4 2.4 2.5 2.5
RSE (%) 4.7 4.9 4.4 4.2

Mineralisation
k1 × 101 (min−1) 0.045 0.047 0.049 0.051

k2 × 104 (mg L−1)(mg g−1 GAC min)−1 0.45 0.45 0.47 0.47
RSE (%) 5.0 4.4 4.8 4.3

Effect of initial phenol concentration 5

CP0 = 250.0 mg L−1 CP0 = 500.0 mg L−1 CP0 = 750.0 mg L−1 CP0 = 1000.0 mg L−1

Phenol removal
k1 (min−1) 0.27 0.19 0.17 0.16

k2 ×103 (mg L−1)(mg g−1 GAC min)−1 2.5 2.7 3.0 3.2
RSE (%) 4.0 4.3 4.8 4.5

Mineralisation
k1 × 101 (min−1) 0.051 0.036 0.031 0.030

k2 × 104 (mg L−1)(mg g−1 GAC min)−1 0.47 0.51 0.56 0.60
RSE (%) 4.2 4.6 3.9 4.4

Experimental conditions: 1 CP0 = 250.0 mg L−1, P = 1.0 atm, CO3 ,G = 12.0 mg L−1, QL = 12 mL min−1, QG = 0.05 L h−1, V = 0.14 L.
2 CP0 = 250.0 mg L−1, pH = 11.0, CO3 ,G = 12.0 mg L−1, QL = 12 mL min−1, QG = 0.05 L h−1, V = 0.14 L. 3 CP0 = 250.0 mg L−1, P = 2.5 atm,
pH = 11.0, QL = 12 mL min−1, QG = 0.05 L h−1, V = 0.14 L. 4 CP0 = 250.0 mg L−1, P = 2.5 atm, pH = 11.0; CO3 ,G = 19.0 mg L−1,
QL = 12 mL min−1, V = 0.14 L. 5 pH = 11.0, P = 2.5 atm; CO3 ,G = 19.0 mg L−1, QL = 12 mL min−1, QG = 0.4 L h−1, V = 0.14 L.

The effect of system pressure on the enhancement of degradation and mineralisation
was studied in the range of 1 to 2.5 atm. Pressure is a operational variable that could affect
mass transfer and, consequently, improve the contact amongst the ozone molecules in the
gaseous and liquid phases [44,45] (see Figure S2). As shown in Figure 4c,d, the increase
in pressure to 2.5 atm had a slightly positive effect, but not as evident as the effect of pH,
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because it only improved mineralisation by 1.8%, which was within the experimental error.
The observed improvement could be due to the generation of slightly smaller bubbles,
which could lead to an increase in the specific contact surface area between the liquid and
gas phases. The same effect was observed for the kinetic constants of the Ad/Ox model.
This could be due to the internal pressure in the gas microbubbles being much higher than
the external pressure applied to them.

Figure 4e,f show the effects of ozone dose. Increasing the ozone dose from 7.0 to
19.0 mg L−1 increased the force gradient, thus improving the mass transfer and ultimately
significantly increasing the rate of phenol removal until complete degradation; subse-
quently, mineralisation improved from 85.0% to 94.0% after reaching a steady state at
60 min. However, higher ozone doses led to a decrease in mineralisation from 94.0% to
79.0% at 26.0 mg L−1. This can be explained via the mechanism proposed by Buhler
et al. [46], as shown in Equations (28) and (29):

O3 + HO• → HO•4 k = 2× 109 M−1s−1 (28)

HO•4 → HO•2 + O2 k = 2.8× 104 s−1 (29)

According to Equations (27) and (28), when there is an ozone dose above the critical
value of 19.0 mg L−1, ozone reacts with the generated hydroxyl radicals, producing radicals
with a lower oxidative capacity (HO2

• and O2) than hydroxyl radical, according with
Figure S4b. On the other hand, according to Rekhate and Srivastava [41], another feasible
explanation could be that, when applying an excessive ozone dose, its utilisation is limited
by the number of active sites available on the GAC catalyst’s surface. Consequently, the
resulting excess of ozone would react only through the direct pathway.

This same effect was observed by Nawaz et al. [47] who reported TOC removal rates
of 50.6, 85.2, and 79.5% at ozone doses of 10, 20 and 50 mg L−1, respectively. However,
increasing the ozone dose did not lead to total phenol mineralisation.

After analysing the kinetic constants of the degradation and mineralisation profiles,
the use of dose of 19.0 mg L−1 enhanced the kinetics at the solid level (k2 = 2.4 × 10−3

(mg L−1) (mg g−1 GAC min)−1) compared with lower doses (CO3,G = 7.0 mg L−1), where
a constant of 2.0 × 10−3 (mg L−1) (mg g−1 GAC min)−1 was obtained. This could have
been because the pore structure of the activated carbon may have been affected by the
ozonisation treatment, as described by Guelli Ulson de Souza et al. [6] and confirmed in
previous studies with pristine and TiO2-doped GACs [17,24].

Another operational variable that could have an effect on phenol removal is the ozone
flow rate. Different flow rates between 0.05 and 0.4 L h−1 were evaluated (Figure 5a,b).
Increasing the ozone flow rate led to a increase in phenol degradation rate and mineral-
isation efficiency (97.0%) at a flow rate of 0.4 L h−1. This increase could be due to the
influence of the flow rate on the ozone mass transfer from the gas to the liquid phase (see
Figure S3), and therefore on the effective ozone utilisation. This effect was negligible; a
better explanation might be that the quantity of ozone transferred to the liquid phase was
higher than that used for oxidation and subsequent decomposition. As was the case with
pressure, the improvement in the kinetic constants was not clearly evident here, except the
one for the oxidation in the liquid (k1), which increased from 0.045 to 0.051 min−1 in the
mineralisation.
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Figure 5. Analysis of CP and TOC concentration profiles during the initial transitory period (t < 70 min) and adjustment
to the Ad/Ox kinetic model. Effect of (a,b) ozone flow rate 1 and (c,d) concentration of the pollutant load 2. Experi-
mental conditions: 1 CP0 = 250.0 mg L−1, P = 2.5 atm, pH = 11.0; CO3,G = 19.0 mg L−1, QL = 12 mL min−1, V = 0.14 L;
2 pH = 11.0, P = 2.5 atm; CO3,G = 19.0 mg L−1, QL = 12 mL min−1, QG = 0.05 L h−1, V = 0.14 L.

This same effect was observed by Yang et al. [48] during the treatment of an industrial
effluent. A significant reduction in COD was initially observed up to a critical value of
2.0 L min−1. After that, a negative effect was seen.

In order to study the feasibility of the catalytic ozonation treatment in this continuous
system, a wider range of initial phenol concentrations that are common in industrial
effluents (up to 1000.0 mg L−1) was evaluated [17]. As shown in Figure 5c,d, the time
required for complete degradation and TOC removal was greater at higher initial phenol
concentrations [49]. Evaluating the transitory profiles, it can be seen that after 70 min of
reaction, the same levels of complete degradation and 97.0% mineralisation were reached,
and kinetic constants for the initial concentration of 1000.0 mg L−1 of 0.27 min−1 and
2.5 × 10−3 (mg L−1) (mg g−1 GAC min)−1 were obtained.

As a comparison of the obtained efficiencies, Lin and Wang [50] studied the removal
of phenol through a catalytic ozonation process in a basket reactor with AC as the catalyst.
At a temperature of 30 ◦C and after 2 h of reaction, they achieved complete phenol removal
and a COD reduction rate of 85%. Beltrán et al. [43] evaluated the use of AC catalysts with
other oxides, such as Fe, Co, and alumina, to treat a phenol-containing effluent via catalytic
ozonation in a slurry reactor. However, no significant improvement was observed in the
catalytic activities of the AC and the other three composites in terms of TOC reduction,
which was about 90% after 5 h of reaction. Chaichanawong et al. [39] degraded an aqueous
solution containing phenol in a slurry-type reactor, via a catalytic ozonisation process with
three ACs with different physico-chemical properties. With a mesoporous carbon, the
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complete degradation of phenol and a mineralisation of 85.7% were obtained during the
ozonisation and simultaneous adsorption process over 2 h. Guelli Ulson de Souza et al. [6]
studied the simultaneous application of ozonation and adsorption processes in a packed
bed of AC for the removal of phenol from an industrial stream. With a catalyst loading of
592.22 g L−1, it achieved complete degradation and a COD reduction of 60.67%.

Finally, the toxicity of the effluent was determined in order to evaluate the feasibility
of the discharge of the treated effluent into the river. According to De Luis et al. [16], a
toxicity value less than 1 TU indicates that an effluent is non-toxic or exhibits low toxicity.
Thus, the effluent before treatment showed a value of 18.02 TU, while after treatment
carried out under favourable operational conditions its toxicity decreased to 0.09 TU.

In overall terms, taking into account that complete degradation, a mineralisation of
97.0% and a toxicity-free effluent were obtained with an empty bed contact time of 11.6 min
and a catalyst load of 432.14 g L−1. The adequately combine adsorption and ozonisation
processes shows that the proposed continuous Ad/Ox system would be viable for scaling
up into a real process in accordance with the technical criteria.

3. Materials and Methods
3.1. Materials

The granular activated carbon Kemisorb® 530 GR 12 × 40 (Kemira Ibérica, Barcelona,
Spain) was used as the catalytic material, with an average particle size of 1.0 mm. The acti-
vated carbon used throughout the experiments was characterised in a previous work [17].
Table 3 summarises the main physical properties of the GAC Kemisorb® 530.

Table 3. Textural and chemical surface properties of GAC Kemisorb® 530.

Property Kemisorb® 530

SBET (m2 g−1) 961.5
Sext (m2 g−1) 410.4
VT (cm3 g−1) 0.38

Vmicro (cm3 g−1) 0.24
Vmeso (cm3 g−1) 0.14
Vmeso/VT (%) 36.8
Vmicro/VT (%) 63.2

DP (Å) 27.9
pHpzc 10.95

Ash (%) 11.99
Apparent density (kg m−3) 432.1

SBET—BET surface area; Sext—external surface area; VT—total pore volume; Vmicro—micropore volume; Vmeso—
mesopore volume; Vmeso/VT × 100—mesopore percentage; Vmicro/VT × 100—micropore percentage; DP—
average pore diameter.

The specific surface area (SBET), total (VT), mesopore (Vmeso) and micropore (Vmicro)
volumes, and the average pore diameter (Dp) were obtained using the BJH model by
observing N2 adsorption–desorption isotherms at 77 K [51]. The point of zero charge
(pHpzc) was determined via electrokinetic zeta potential (ς) measurements [52]. The
composition of GAC Kemisorb® 530 was measured using X-ray fluorescence (XRF) [24].
The XRF results indicate that GAC is mainly composed of SiO2 (7.72%) and Al2O3 (2.64%),
followed by Fe2O3 (0.40%), CaO (0.33%), SO3 (0.19%), MgO (0.07%), Na2O (0.06%), K2O
(0.04%), P2O5 (0.09%), TiO2 (0.11%), and MnO (0.001%).

3.2. Analytical Methods

Phenol concentration and primary intermediates was measured using a Waters Al-
liance 2695 high-performance liquid chromatograph system (Waters, Milford, CT, USA)
equipped with a Teknokroma Mediterranea SEA C18 threaded column (150 mm × 4.6 mm,
1.8 µm, Teknokroma Analitica, Sant Cugat del Vallès, Barcelona, Spain) and a guard col-
umn working at 20 ◦C under isocratic elution of a water/methanol mixture (60:40 v/v)
containing acetic acid (1%), and a flow rate of 1 mL min−1 was used. A Waters 2487 UV/Vis
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detector was used at a wavelength of 220 nm for phenol, hydroquinone, catechol, oxalic
acid, formic acid and at 254 nm for p-benzoquinone [53].

The degree of mineralisation was quantified by total organic carbon (TOC) analysis
on a Shimadzu TOC-VSCH analyser (Izasa Scientific, Alcobendas, Spain). Toxicity was
evaluated in duplicate using the Microtox® bioassay in a Microtox® toxicity analyser, Azur
500 model (Microbics Corp., New Castle, DE, USA). The measurements were carried out
according to ISO 11348-3 (1998), “Water Quality—Determination of the inhibitory effect of
water samples on the light emission of Aliivibrio fischeri (Luminescent bacteria test)—Part 3:
Method using freeze-dried bacteria” [54]. The concentration of I3

−, proportional to the
concentration of oxidising agents such as hydroxyl radicals was measured following the KI
dosimetry method described by Alfonso-Muniozguren et al. [55].

Zeta potential measurements were carried out with a ZetaSizer Ultra (Malvern Pana-
lytical, Malvern, UK) for suspensions of 1g L−1 GAC in distilled water at different pHs.

The composition of the GAC was determined by X-ray fluorescence spectroscopy
(XRF). From the pulverised sample, a borate glass bead was prepared by melting in an
induction micro furnace, and mixing the flux Spectromelt A12 (Merck KGaA, Darmstadt,
Germany) and the sample to a ratio of 20:1. An oxidising agent was added to promote the
removal (in the oxidation phase of the process) of all the organic parts of the carbon and
the fixation of the inorganic oxides. The chemical analysis of the beads was carried out
in a vacuum atmosphere, using an AXIOS model sequential wavelength dispersive X-ray
fluorescence spectrometer (WDXRF—Panalytical). The fluorometer was equipped with an
Rh and three detectors (gaseous flux, scintillation, and Xe) (Malvern Panalytical) [24].

3.3. Experimental Setup in the Continuous Fixed-Bed Catalytic System

Phenol removal via a continuous Ad/Ox process was carried out in a polyvinyl
chloride (PVC) column filled with GAC with a 25 mm outer diameter, 21.2 mm inner
diameter and 40 cm length (Figure 6). The single ozonation and Ad/Ox experiments were
performed at a constant ozone flow rate (QG = 0.05 L h−1) and a temperature of 20 ◦C,
with a fresh GAC bed of 60.5 g for each experiment and a dissolution pumping rate of
QL = 12 mL min−1. The pH was measured at different initial values (between 3.0 and 11.0),
initial phenol concentrations (250, 500, 750, and 1000 mg L−1), and a pressure between 1.0
and 2.5 atm (depending on the experiment).

Figure 6. Experimental setup used to carry out ozonation and Ad/Ox tests.
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A typical Ad/Ox or simple ozonisation experiment consisted of a continuous intro-
duction of ozone generated in situ from ultrapure oxygen using a TRIOGEN LAB2B ozone
generator (BIO UV, Lunel, France) through a porous plate placed at the bottom of the bed
column. Here, the liquid flow of the phenol-containing solution was introduced through
a PRECIFLOW peristaltic pump (LAMBDA Laboratory Instruments, Baar, Switzerland),
through the lower inlet port on the side of the column. After ascending though the column,
the gas and liquid flows passed through the granular activated carbon bed. Afterwards,
the liquid flow was collected through one of the outlets downstream of the GAC packed
bed.

The ozone concentration in the gas phase was measured with a BMT 964C ozone
analyser (BMT MESSTECHNIK GMBH, Stahnsdorf, Germany) located on the side of the
column. Dissolved ozone concentration and temperature were measured with a Rosemount
499AOZ-54 dissolved sensor (Emerson, Alcobendas, Spain). The pH value was recorded
with a Rosemount Analytical model 399 sensor integrated into a Rosemount Analytical
Solu Comp II recorder (Emerson). Residual ozone gas was removed using a Zonosistem
thermocatalytic ozone destructor (Ingeniería del Ozono S.L.U, Cádiz, Spain).

Mass transfer characterization of the reactor was performed using deionized water in
the presence of GAC, following a procedure previously described by Rodríguez et al. [37].
Operating conditions were kept similar to those used in the presence of phenol.

3.4. Statistical Analysis

The data were analysed with the SPSS software (IBM SPSS Statistics 27, SPSS Inc.,
Armonk, NY, USA). In each set of experiments, each experiment was performed in trip-
licate. Then, the relative standard deviation (RSE,%) of the data corresponding to con-
versions between 5 and 95% was calculated for the operational conditions established
by Equation (30) [56]. Each measurement was replicated at least six times, and further
replicates were carried out when the variation between each measurement exceeded 5%:

RSE =

√√√√√ N
∑

i=1

(
Cexp−Cmod

Cexp

)2

N − 1
× 100 (30)

4. Conclusions

A three-phase reaction kinetic model (Ad/Ox) for the description of G–L transfer
within the liquid and on the catalyst’s surface during the adsorption and ozonisation steps
has been proposed. The model allows us to analyse catalytic ozonation, in the presence of
GAC, for the removal of phenolic waters in a continuous process.

The combination of the simultaneous adsorption and ozonation processes with GAC
resulted in an improvement of both phenol degradation kinetics and mineralisation effi-
ciency, compared with an ozonation or adsorption process alone. The Ad/Ox kinetic model
was verified via the experimental results of the catalytic ozonation process under a wide
variety of operating conditions affecting the adsorption phenomena, the mass transfer, and
the chemical reaction itself, providing a good fit with the experimental data, with a residual
standard error of no more than 5% in most cases.

The estimation of the oxidation constants allowed us to study the role of GAC in the
ozonisation process and its interaction with phenol. Depending on the degree of phenol
dissociation, as a function of pH, the reactivity of ozone was different. At an alkaline pH
(values over 11.0), greater degradation and mineralisation were obtained, with kinetic
constants of 0.20 min−1 and 2.1 × 10−3 (mg L−1)(mg g−1 GAC min)−1 for the liquid and
solid, respectively. The use of an ozone dose above a critical value of 19.0 mg L−1 limited
the kinetics and adsorption capacity of phenol, and its oxidation products by extension,
leading to a decrease in mineralisation efficiency. On the other hand, at moderated ozone
doses, a stronger influence of GAC adsorption mechanisms was observed, as the kinetic
constant of the solid increased slightly to k2 = 2.4 × 10−3 (mg L−1)(mg g−1 GAC min)−1.
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Increases in the pressure and gas flow rate did not lead to significant improvements, due
to the insufficiency of the excess ozone transferred.

The most favourable operating conditions for the enhancement of the catalytic and ad-
sorptive action of GAC were pH = 11.0, ozone dose = 19.0 mg L−1, gas flow rate = 0.4 L h−1

and pressure = 2.5 atm. The GAC adsorbed the pollutant, subsequently exposing the phenol
to attacks by ozone through the hydroxyl radicals generated on its surface. Consequently,
the most favourable phenol removal conditions may involve a balance between the radical-
generating and adsorptive functions of GAC.

The proposed model could be applied for the prediction of the operating behaviour
of a continuous fixed-bed system under different working conditions, making it easily
scalable to the industrial level.

Supplementary Materials: The following are available online at https://www.mdpi.com/article/
10.3390/catal11081014/s1. Table S1: Previous studies on the treatment of wastewater through
catalytic ozonation processes in the presence of activated carbon. Figure S1: Evolution of ozone
concentration at the reactor outlet gas stream. Figure S2: Determination of mass transfer coefficient of
the experimental system for various pressures. Figure S3: Determination of mass transfer coefficient
of the experimental system for various ozone flow rates. Figure S4: I3

− concentration as a function of
time for 0.1 M KI. Figure S5: Analysis of the main degradation by-products during catalytic ozonation
of phenol.
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Nomenclature

ε Bed porosity, m3 m−3

ν Linear velocity of fluid flow, cm min−1

A Reactor cross-sectional area, cm2

C*
O3,L Concentration of ozone in the equilibrium with the ozone adsorbed on the activated

carbon, mg L−1

C*
O3,s Concentration of ozone on the catalyst in equilibrium with the liquid ozone concentration,

mg L−1

C*
p Calculated pollutant concentration in the liquid in terms of total organic carbon, mg L−1

Cexp Experimental pollutant concentration in the liquid, mg L−1

Cmod Modelled pollutant concentration in the liquid, mg L−1

CO3,G Concentrations of ozone in the gas phase, mg L−1

CO3,L Ozone concentration in liquid, mg L−1

Cp Pollutant concentration in the liquid, mg L−1

DL Axial dispersion coefficient, cm2 min−1

FG Ozone mass flow, g O3 h−1

FP Phenol mass flow, g h−1

He Henry’s constant, bar L mg−1

k1 Kinetic oxidation constant of phenol in the liquid, min−1

k2 Kinetic oxidation constant of phenol in the solid, (mg L−1) (mg g−1 GAC min)−1

https://www.mdpi.com/article/10.3390/catal11081014/s1
https://www.mdpi.com/article/10.3390/catal11081014/s1
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kads Kinetic constant of phenol adsorption, g mg−1 min−1

kc,L Elemental kinetic constant for the ozonation in the liquid, L mg−1 min−1

kc,S Elemental kinetic constant for the ozonation in the solid, L mg−1 min−1

KF Freundlich constant, (mg g−1) (L mg−1)1/n

KLa Volumetric ozone mass transfer coefficient, min−1

kP Overall kinetic reaction constant referring to the removal of phenol in both the liquid and
the solid, min−1

L Length of tubular reactor, cm
m Slope of the equilibrium line between the liquid and solid phase
mCAT Catalyst’s mass, g
MCAT Concentration of catalyst, g L−1

n Kinetic reaction order
N Number of experimental values
nF Heterogeneity factor, dimensionless
NII

O3 Ozone consumption in the solid, mg L−1 min−1

NI
O3 Ozone consumption in the liquid, mg L−1 min−1

NO3 Whole ozone consumption, mg L−1 min−1

P Pressure, atm
P*

O3 Partial pressure of the ozone in equilibrium with the adsorbed ozone on the solid, bar
PO3 Partial pressure of ozone in the gas phase, bar
QG Ozone gas flow, L min−1

QL Flow rate of liquid through the bed, mL min−1

rO3 Chemical reaction rate of phenol removal reaction by catalytic ozonation, mg L−1 min−1

rp Degradation of the pollutant in the liquid, mg L−1 min−1

RSE Relative standard deviation, %
t Time, min
V Reactor volume, L
z Stoichiometric coefficient of the reaction between phenol and ozone
Zp Concentration of pollutant in the solid, mg g−1

Zp,∞ Amount of pollutant adsorbed in the solid in equilibrium, mg g−1
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a b s t r a c t

This work presents an efficient catalytic ozonation process for the treatment of aniline wastewater as a
model pollutant. The process uses a granular activated carbon-supported titanium dioxide catalyst with
environmentally-friendly and sustainable characteristics. Titanium dioxide composites were prepared by
precipitation of alcoholic titanium tetrachloride solutions on two different carbon supports: Norit® GAC
1240 Plus and Norit® ROX 0.8. This method is an improvement on other composite preparation methods
such as hydrothermal and impregnation by immersion techniques, which were also carried out for
comparison. It characterised our composites by BrunauereEmmetteTeller analysis, scanning electron
microscopy-energy dispersive X-ray spectroscopy and Fourier-transform infrared spectroscopy to assess
the influence of the carbon support. Composites synthesised via this novel precipitation method pre-
sented a 25% increase in their initial specific surface area and a 9.1% increase in titanium dioxide loading.
It compared the catalytic activity of the different titanium dioxide composites on different aniline so-
lutions, and studied the optimal pH and ozone dose. Norit® GAC 1240 Plus-supported titanium dioxide
composite prepared by the precipitation method gave the highest removal yield with 80.24% minerali-
sation of total organic carbon in 45min. With respect to the costs associated with the treatment, the
composite achieved a removal yield of 26.8mg ozone/mg total organic carbon.

© 2019 Elsevier Ltd. All rights reserved.
1. Introduction

Aniline (ANI) can be found in effluents derived from the pro-
duction of vulcanisation accelerators, textiles, pesticides and dyes,
among others, and it is known to have a negative impact on the
environment (Chen et al., 2014; Mestankova et al., 2016; Zhang
et al., 2015). Aniline is currently included on the first list of prior-
ity substances published by the European Chemicals Agency
(European Commission, 2004; Lichtfouse et al., 2015), who have
classified it as a skin sensitizer (Official Journal of the European
Union, 2008). This pollutant has also been included in the US
EPA's Contaminant Candidate List (US EPA, 2014), which indexes
pollutants that are not currently subject to any national drinking
reiro), natalia.villota@ehu.eus
romj@unican.es (M.J. Rivero).
water regulations but are known or believed to exist in public water
systems. According to the latest European Union Risk Assessment
Report, the main effect of exposure to aniline by any route, whether
via the skin, lungs or the gastrointestinal tract, is a change in the
blood that affects oxygen transport to tissues. This alteration can
have mild or severe consequences depending on the duration and
magnitude of the exposure. Ingesting 1 g of aniline can be fatal to
humans. The mean lethal dose of aniline is 5e30 g and the mini-
mum lethal dose for a 68 kg human is 10 g (Harbison et al., 2015).

Lubash (1964) and Sihtm€ae et al. (2010) studied the effects of
aniline in different organisms. For example, aniline inhibited em-
bryonic development in Xenopus laevis (African clawed frog),
wherein body size was reduced and pigmentation inhibited at
concentrations of 1e40mg/L (Dumpert, 1987). Exposing ova from
Micropterus salmoides (bass) and Carassius auratus (goldfish) to
concentrations of aniline as high as 100mg/L produced teratogenic
effects and reduced hatching and survival in offspring (Birge et al.,
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1979). Baird et al. (1977) noted that exposure to aniline at con-
centrations of 20mg/L had inhibitory effects on the respiration of
bacteria that were degrading activated sludge, which suggests that
a metabolite or metabolites may be responsible for the observed
toxicity. Exposing Daphnia magna (planktonic crustacean) to ani-
line at concentrations of 43.2 mg/L caused mortality, while a con-
centration of 22 mg/L damaged its reproduction and growth
(Gersich and Milazzo, 1990). In plants, aniline is absorbed via the
roots then rapidly and irreversibly binds to plant constituents,
causing perturbations in cellular DNA replication (Lyons et al.,
1984). Moreover, a recent study has evidenced aniline-induced
genotoxicity and growth inhibition inwheat crops (Tao et al., 2017).

A remarkable case highlighting how aniline spills can cause
serious damage to human health is that of Aguascalientes, Mexico,
more precisely on the San Pedro river, where textile industries,
wheat crops and Mexico's fourteenth largest metropolitan area
coexist (Guzman-Colis et al., 2011; Spring 2011). Dye industries
often generate aniline wastewater. In certain locations, such as the
Mexican State of Aguascalientes, where there is a concentration of
these industries, aniline has been detected in the San Pedro river at
levels as high as 20mg/L (Spring 2011; Vizcaíno et al., 2018). Based
on the study by Tao et al. (2017), wheat crops lining the river may
be seriously affected by aniline, causing genotoxicity in wheat root
tip cells (Guzman-Colis et al., 2011). Significant chromosomal ab-
errations, even at aniline concentrations of just 5mg/L, could lead
to considerable damage to wheat crops (Eskola et al., 2018).
Therefore, the implementation of an efficient wastewater treat-
ment to remove aniline fromwater resources is essential to prevent
perturbations in cellular DNA replication on growth of wheat and
any risk to human health (Tao et al., 2017).

S�anchez et al. (1997) studied the photocatalytic oxidation of
aniline in aqueous suspensions of TiO2 using UV light. Shahrezaei
et al. (2012) studied the possibility of applying UV/TiO2 photo-
catalysis to treat aqueous effluents containing aniline. Anotai et al.
(2012) investigated aniline oxidation using titanium dioxide acti-
vated with visible light. However, the high reaction time required
and the low mineralisation precluded its industrial implantation.
Aniline cannot be removed by biological treatments due to its low
biodegradability and high toxicity. So alternative treatments that
can reuse wastewater containing refractory contaminants must be
considered (Sepehri and Sarrafzadeh, 2018). Some studies have
proposed the use of diatomaceous chemical adsorbents (Aguedal
et al., 2017, 2019; Bensalah et al., 2018). Catalytic ozonation there-
fore represents an alternative technology to achieve their complete
mineralisation of refractory contaminants because more hydroxyl
radical may be generated in the presence of both a catalyst and
ozone (Boczkaj and Fernandes, 2017; Ghuge and Saroha, 2018;
Kermani et al., 2018). Despite the availability of several catalysts,
authors such as Beltran et al. (2004) and Song et al. (2010) have
catalogued titanium oxide as an active material that can accelerate
the ozonation process for different pollutants when used alone, or
when combined with photocatalysis (Rivas et al., 2012). Beltran
(2003) obtained conversions rates that were 40 times greater
compared to non-catalytic ozonation.

The improvement in the removal yields can be attributed to the
ozonation mechanisms that take place on catalytic surfaces. These
mechanisms have not yet been fully defined (Rosal et al., 2008).
According to Guo et al. (2012) and Rodríguez et al. (2008), the
catalyst acts as an adsorbent where organic contaminants are first
adsorbed on the catalyst surface and then removed. In this case the
active adsorption sites combine with the organic molecules to form
active complexes with a lower activation energy. The pollutants are
oxidised by the molecular ozone and hydroxyl radicals available in
the solution. Subsequently, the reaction intermediates are further
oxidised on the catalyst surface or desorbed to the aqueous solution
where they are oxidised by the ozone or radical species in the
medium. Another mechanism proposed by Legube and Leitner
(1999) suggests that the metal oxide of the catalyst favours ozone
mass transport and initiates its decomposition. This mechanism
assumes that the hydroxyl groups on the catalytic surface play an
important role in the generation of the radical species. The dis-
solved ozone is adsorbed on the catalyst surface, thus leading to a
series of radical reactions that conclude with the formation of
highly reactive hydroxyl radicals capable of oxidising the organic
molecules in the wastewater. Beltran (2003) proposed a
LangmuireHinshelwood (LH) mechanism to describe the catalytic
gas-phase decomposition of ozone:

Homogeneous decomposition of ozone:

Pollutantþ O3/ Pollutant* þHO�
2 (1)

O3 þ OH�/HO�
2 þ O2 (2)

O3 þ HO�
2/HO�

2 þ O��
3 (3)

O3 þ Initiator/O��
3 þ Initiatorþ (4)

HO�
2%O��

2 þHþ (5)

where Pollutant* represents a destabilised state of themolecule due
to polarisation. Surface reaction for the heterogeneous decompo-
sition of ozone on the granular activated carbon-supported tita-
nium dioxide catalyst (TiO2/GAC) it represented for a pH of between
2 and 6 by:

O3 þ S%O3 � S (6)

O3 � S%O � S þ O2 (7)

O3 þ O � S%2O2 þ S (8)

where S represents one active site on the TiO2/GAC catalyst surface.
For a pH higher than 6:

OH� þ S%OH � S (9)

O3 þ OH� S% �O3 � S þ HO� (10)

�O3� S% �O � S þ O2 (11)

O3 þ �O � S% O��
2 þ S þ O2 (12)

Homogeneous propagation and termination reactions:

O3 þ O��
2 /O��

3 þ O2 (13)

O��
3 þ Hþ/HO�

3 (14)

HO�
3/HO� þ O2 (15)

HO� þ Products/End products (16)

In recent years, TiO2/GAC catalysts have attracted the attention
of many researchers due to the synergistic effect obtained when
used in combination with photocatalysis (MiarAlipour et al., 2018;
Noorimotlagh et al., 2018; Xing et al., 2016) or ozonation (Ghuge
and Saroha, 2018; Orge et al., 2017; Ratnawalti, 2017). However, a
slow reaction rate and low mineralisation yields have impeded
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their industrial implementation. Low removals can be attributed to:
a) the choice of support, which should be able to provide enough
surface area and a suitable pore structure; b) the catalyst's active
components; and c) the catalyst preparation method (Guo et al.,
2012). The structure and distribution of the catalysts are affected
by the preparation method, so a good catalyst preparation process
can significantly improve the catalytic activity. Table 1 shows the
results from previous studies of aniline ozonation.

Considering the limitations of non-catalytic ozonation and the
possibilities of catalytic ozonation combined with activated carbon
for aniline degradation, this paper proposes a more efficient TiO2/
GAC catalytic ozonation process that focuses on reducing ozone
consumption thanks to a new TiO2/GAC material. Aniline was
selected as amodel compound due to its environmental impact, but
other contaminants present in polluted waters could also be
degraded by these catalysts. Therefore, this work contributes to
solve a food safety problemwith implications for human health and
environmental protection. Given the importance of the synthesis
method on the properties and effectiveness of the catalysts, we
aimed to develop a new catalytic material from two GAC supports,
Norit® GAC 1240 Plus and Norit® ROX 0.8, based on precipitation,
hydrothermal or immersion-impregnation techniques, resulting in
the deposition of perfectly distributed TiO2 nanocrystals on the GAC
support. Furthermore, we studied the effect of pH and O3 dose with
the best catalytic material in an attempt to reduce ozone
consumption.

The above aims will contribute to the final implementation of
the proposed technology. On an industrial scale, the process would
be carried out in a fluidised bed reactor (FBR) considering their
straightforward construction and operation, low operating costs
and high flexibility in terms of liquid and solid-phase residence
times. The use of TiO2 nanoparticles supported on large pore size
GAC would result in advantages such as greater mass and heat
transfer in the FBR system (Tisa et al., 2014). In addition, the process
would not require a catalytic material recovery stage and since the
TiO2 nanoparticles are bound to the GAC theywould be less likely to
cause any environmentally detrimental effects (Martins et al.,
2017). Nor would this composite would require a regeneration
stage because TiO2 effectively destroys the pollutants adsorbed on
the GAC (Colmenares et al., 2016). At the end of its useful life, the
TiO2/GAC catalyst can be disposed of as solid waste.
2. Experimental

2.1. Materials and reagents

Aniline (C6H5NH2, Acros Organics, 99.5%), nitric acid (HNO3,
Acros Organics, 69%), titanium (IV) chloride (TiCl4, Merck, synthesis
quality), absolute ethanol (C2H6O, Panreac, 100%), hydrogen chlo-
ride (HCl, Merck, 37%), sulfuric acid (H2SO4, Sigma-Aldrich, 98%),
sodium hydroxide (NaOH, Panreac, 50%) and HPLC-grade methanol
Table 1
Previous studies on aniline ozonation at 25 �C. Removal efficiencies in Chemical Oxygen

Treatment O3 time,
min

CANI,
mg/L

O3 flow
rate, g/h

O3 inlet concentration,
mg/L

pH Vreac, L Cat

O3 120 103.81 2.5 22.0 7.0 1.0 e

O3/GAC 30 102.44 0.0049 50.0 7.0 0.7 Nor
carb

O3/TiO2-GAC 60 93.13 0.0049 50.0 5.6 0.25 Nan
wit
met
(CH3OH, Merck, >99.99%) were used as received. Deionised water
was supplied by a Milli-Q® water purification unit supplied by
Merck. The TiO2 Aeroxide® P90 catalyst was obtained from Evonik
Industries. Granular activated carbons Norit® GAC 1240 Plus and
Norit® ROX 0.8 were purchased from Cabot Corporation.

2.2. Synthesis of TiO2/GAC composites

2.2.1. Precipitation method
The carbon was pretreated with 37% HCl for 30min, then

washed with deionised water. 440mL of absolute ethanol with
10mL of TiCl4 were mixed for 30min at 23 �C until a yellow solu-
tion was obtained. 2.0mg of TiO2 Aeroxide® P90 was dissolved in
50mL of ethanol under sonication for 15min and added to TiCl4-
EtOH solution in order to control the diameter and size distribution
of the crystals. Then,14.0 g of pretreated GACwas added and stirred
slowly for 45min. Finally, 19.2mL of 50% NaOHwas poured into the
reactor for 2 h. The composite was washed with 10% HNO3 and
deionised water, then dried in an oven at 90 �C for 12 h and finally,
it was calcined in an air atmosphere at 400 �C for 1 h.

2.2.2. Immersion impregnation
The carbon was pretreated with 37% HCl for 30min, then

washed with deionised water. 1.0 g of TiO2 Aeroxide® P90 was
dissolved in 400mL of deionised water under sonication for 15min.
Aeroxide® P90 was selected over Aeroxide® P25 because it has a
smaller particle size, thus facilitating its entry into the pores. The
solution was transferred to a spherical reactor, 14.0 g of pretreated
GAC was added and the pH adjusted to 12.0 with the addition of
50% NaOH. The activated carbonwas left for 1 h in the TiO2 solution
under continuous agitation at room temperature. The resulting
solution was subsequently heated in a thermostatic bath at 100 �C
until 264mL of solution had evaporated. The TiO2/GAC composite
was washed with deionised water and dried in an oven at 90 �C for
12 h before being calcined in an air atmosphere at 400 �C for 1 h.

2.2.3. Hydrothermal method
Again, the carbon was pretreated with 37% HCl for 30min,

washed with deionised water and dried in an oven at 80 �C for 24 h.
1.0 g of TiO2 Aeroxide® P90 was dispersed in 400mL of deionised
water under sonication for 15min, then transferred to a Teflon®

recipient. 14.0 g of pretreated GAC was added and the mixture
stirred constantly for 2 h at 20 �C. The Teflon recipient was then
closed and placed in an oven at 120 �C for 3 h. Afterwards, the su-
pernatant was removed and the solid washed with deionised water
and dried in an oven at 50 �C for 12 h.

2.3. Characterisation methods

Nitrogen adsorption measurements were performed using the
Micromeritics ASAP 2010 instrument at 77 K with ultra-high purity
Demand (% COD) and Total Organic Carbon (% TOC).

alyst Catalyst
mass, mg

Removal
efficiency, %

Reference

e 93.56% Aniline
31.03% COD

Jing et al. (2015)

it 1240 Plus granular activated
on

350.0 100% Aniline
56% TOC

Faria et al. (2007)

ocyl 3100 activated carbon doped
h TiO2 by hydration-dehydration
hod

125.0 100% Aniline
57% TOC

Orge et al. (2017)
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nitrogen gas. All samples were dried and degassed under high
vacuum at 473 K for 24 h prior to measurement. The surface area
was calculated using the BET equation and the pore size distribu-
tion was determined by applying the BJH model. Morphology was
obtained through scanning electron microscopy with energy
dispersive X-ray spectroscopy (SEM-EDX) using a JEOL JSM-7000F
electron microscope. TiO2 composite loading was determined by
micro X-ray fluorescence (micro-XRF) on all 17 spherule layers (SLs)
with a Bruker Nano Analytics M4 Tornado 2D-micro-XRF spec-
trometer with polycapillary X-ray optics, using a Rh anode oper-
ating at 50 kV and 600 mA. Data was analysed using the M4
TORNADO software (Bruker Nano Analytics). Fourier-transform
infrared spectroscopy (FTIR) was conducted with a Jasco 4200
model to determine FTIR spectres in medium infrared (4000-
400 cm�1) using KBr pellets for sample preparation. AWaters 2695
HPLC system with an Agilent ZORBAX Rapid Resolution High
Definition Eclipse PAH threaded column (150mm� 4.6mm, 5 mm),
with the guard column working at 20 �C under isocratic elution
(10%methanol, 90%water), a flow rate of 1mL/min and an injection
volume of 1.0 mL, was used for aniline quantification. The Waters
996 photodiode array (PDA) detector was used at a wavelength of
230 nm. The degree of mineralisation was quantified by total
organic carbon (TOC) analysis in a Shimadzu TOC-VCSH Analyzer.
Colour was analysed using a PerkinElmer Lambda 10 UV/Vis spec-
trophotometer by directly measuring absorbance at 455 nm
(Mijangos et al., 2006) and aromatic ring rupture was determined
from the sample's absorbance at 254 nm.
2.4. Ozonation experiments

Aniline was removed from aqueous solutions using three TiO2/
GAC composites prepared by precipitation, impregnation by im-
mersion and hydrothermal methods. Each composite was prepared
with two types of activated carbon (Norit® GAC 1240 Plus and
Norit® ROX 0.8). Experiments were carried out at an initial pH of
7.5, an ozone dose of 11.3mg/L and a gas flow of 2.5 g O3/h. Oper-
ational variables were analysed at different ozonation pHs (3.0, 5.0,
7.0 and 9.0) and ozone doses (3.7, 5.4, 11.3 and 20.1mg/L) keeping
both parameters constant throughout the experiment. Ozonation
Fig. 1. Diagram of the experimental equipment used to c
experiments were performed in a 2 L jacketed reactor equipped
with a stirrer and several ozone diffusers (see Fig. 1).

For each experiment, the reactor was filled with 1.5 L of 20.0mg/
L aniline solution at the desired pH and 5.0 g of the catalyst. The
experiments were carried out under a constant flow of gas, con-
stant ozone concentration at the inlet, 18 �C and at 1 atm. The
agitation was maintained constant at 60 rpm to ensure a homo-
geneous mixture. Ozone was produced from extra pure oxygen in
the TRIOGEN LAB2B generator. The temperature was controlled
using a refrigerating bath. The ozone concentration in the gas phase
was monitored with a BMT 964C ozone analyser. Dissolved ozone
concentration in the liquid phase and temperature were measured
with a Rosemount Analytical model 499AOZ-54 probe. The pH was
controlled with a Rosemount Analytical model 399-09-62 probe,
integrated with the ozone probe in a Rosemount Analytical Solu
Comp II recorder. Gas-phase ozone leaving the reactor was
removed with a Zonosistem thermocatalytic ozone destructor.
TiO2/GAC composites were analysed after each experiment via FTIR.
Neither aniline nor any oxidation intermediates were detected
adsorbed on the surface of the catalytic material.
3. Results and discussion

3.1. Experimental system characterisation

The experimental systemwas characterised by determining the
volumetric mass transfer coefficient (kLa) under the optimal oper-
ating conditions obtained from the study. The ozone mass balance
in a volume element of aqueous phase during an isothermal
ozonation process controlled by a chemical step is shown in Eq.
(17):

dCO3

dt
¼ kLa

�
C*
O3

� CO3;s

�
� kdC

n
O3;s

(17)

where kL is the liquid phase individual mass transfer coefficient in
m/s, a is the specific gaseliquid interfacial surface inside the
ozonation reactor in m�1, C*

O3
is the equilibrium concentration of

ozone dissolved in water in mol/L, CO3; s is the concentration of
arry out the catalytic ozonation assays with aniline.
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ozone dissolved in water after reaching a stationary value in mol/L,
n is the kinetic order and kd is the ozone decomposition kinetic
constant. The value of kd depends on: temperature, dissolved
organic and inorganic matter, pH, alkalinity and ionic strength
(Beltran, 2003; Rodriguez et al., 2017).

The experimental conditions used to calculate kLa were: a gas
flow of 2.5 g O3/h, ozone concentration of 5.4mg/L, pH¼ 7.0, re-
action volume of 1.5 L of deionised water, 60 rpm, 1 atm and a
temperature of 18.0 �C. After 10min, the system reached a fluid-
dynamic steady state. Fig. S1 shows the concentration of dis-
solved ozone, CL O3, during the ozonation of deionised water where
catalytic ozonation takes place. In Fig. S1a, three different regions
can be distinguished. According to Rodríguez et al. (2008) zone I is
characterised by a strong increase in dissolved ozone, followed by
zone II, where the ozone saturation concentration is reached at a
stationary value CO3 ; s and finally in zone III ozone decomposition
takes place after stopping ozone generation.

Applying Eq. (17) to zones II and III produced the following
expression:

0 ¼ kLa
�
C*
O3

� CO3;s

�
� kdC

n
O3;s (18)

�rd ¼ kdC
n
O3

(19)

where rd is the rate of ozone decomposition. C*
O3

was calculated
from Henry's law:

PO3
¼ C*

O3
He (20)

where the Henry's law solubility constant He (atm mole fraction�1)
was calculated from the Roth and Sullivan (1981) correlation:

He ¼ 3:84� 107C0:035
OH� exp

�
�2428

T

�
(21)

The estimated value of the ozone decomposition kinetic con-
stant (kd) was 0.239 L0.1 mg�0.1 min�1 and the kinetic order (n) was
1.1. The mass transfer constant value was estimated to be
0.32min�1 with a standard deviation of 0.017 (Fig. S1b). This kLa
value was similar to the one obtained for other ozonation systems
(Rodríguez et al., 2008; Rodriguez et al., 2017).
3.2. Morphology studies

SEM composite images of samples prepared with TiO2 impreg-
nated by immersion (Fig. 2c and f) or hydrothermal treatment
(Fig. 2b and e) show a significant agglomeration and irregular
distribution of particles with diameters over 4 mm. These particles
are bigger than those obtained by the precipitation method (Fig. 2a
and d). These conventional techniques present a limited capacity
for ensuring TiO2 enters inside the pores, leading to a merely su-
perficial TiO2 deposition. Such particles could block the internal
porosity of the activated carbon and therefore reduce its catalytic
activity. In Fig. 2a and d, the TiO2 crystals deposited via the pre-
cipitation method present a better distribution, regardless of the
particular porosity of each type of activated carbon. Thus, TiO2/GAC
composites prepared by this method are expected to provide better
catalytic activity.

A SEM/EDAX analysis was performed on two composite mate-
rials synthesised using the precipitation method (see Fig. 3). Fig. 3a
and b shows SEM images of pristine activated carbons. EDAX
analysis shows the presence of Si and Al, both typical of lignocel-
lulosic carbons (Daud et al., 2017). Fig. 3c and d are useful for
analysing the cross-section and also reveal the presence of TiO2
particles adsorbed on all the internal cavities of the activated car-
bon. In addition, Fig. 3c shows a perfectly developed porous
structure free of agglomerated particles. The EDAX images confirm
that TiO2 was definitely deposited.

3.3. FTIR studies

FTIR spectra for the commercially available activated carbon
Norit® GAC 1240 Plus, TiO2 and the TiO2/GAC composite prepared
by the precipitation method are shown in Fig. 4. The absorption
band from 3100 to 3700 cm�1 is associated with an -OH stretch
corresponds to the water used to prepare the samples during the
potassium bromide pellet technique (Rubinson and Rubinson,
2000). This is confirmed by the band at 1715e1720 cm�1, which
can be assigned to a vibrational -OH group (Nakamoto,1997). In the
region between 400 and 800 cm�1, the peak in the composite
spectrum is much more pronounced than the one observed in the
spectrum for Norit® GAC 1240 Plus active carbon. According to
Bagheri et al. (2016) and Orha et al. (2017), this absorption band
corresponds to a Ti-O stretching group. These results confirm the
presence of TiO2 in the composite synthesised by the precipitation
method.

3.4. Nitrogen sorption studies

The nitrogen adsorptionedesorption isotherms for the TiO2/
GAC composite samples are shown in Fig. 5. The initial amount of
nitrogen adsorbed by each sample increases rapidly as the relative
pressure increases to P/P0z 0.3, before it reaches an almost hori-
zontal saturation plateau. This behaviour is associated with a type I
isotherm and a H4 hysteresis cycle.

These experiments confirmed that composites prepared with
Norit® ROX 0.8 carbon have a microporous configuration because
Norit® ROX 0.8 contains pores with a diameter of less than 30 Å.
Nevertheless, the mesoporous carbon Norit® GAC 1240 Plus has
pore diameters of between 100 and 1000 Å. The increased pore size
in composites prepared from Norit® ROX 0.8 could be due to the
calcination stage at 400 �C (Ghasemi et al., 2016).

The physical properties of our TiO2/GAC composites are shown
in Table 2. SEM images confirmed that composites prepared by
hydrothermal or immersion-impregnation methods present a
reduced surface area. This could be attributed to porous blocking.
However, the specific surface area of TiO2/Norit® GAC 1240 Plus
prepared by precipitation is higher, 985.0m2/g, than the original
value of 967.0m2/g. Even the total pore volume and average pore
diameter did not vary significantly, the deposition of TiO2 results in
a 25% increase of the external surface area. These are promising
results given that the synthesis methods published to date
(Andriantsiferana et al., 2015; Noorimotlagh et al., 2018; Orge et al.,
2017) produce composites with a reduction of 70e80% of the initial
specific surface area. In such cases, poor dispersion of TiO2 due to
the formation of agglomerates would block the pores and obstruct
access to the internal porosity of the activated carbon.

Compared to other synthesis methods, Yao et al. (2012) devel-
oped a TiO2/GAC composite using tetrabutyltitanate and the sol-gel
method at low temperatures resulting in a significantly altered
porous structure. The specific surface area was reduced by 54%,
from 837.6 to 383.5m2/g. Regarding total pore volume, they re-
ported a decrease from 0.46 to 0.31 cm3/g, representing a reduction
of 33%. This was attributed to the pores being blocked by TiO2.

3.5. Micro-X-ray fluorescence analysis and pHpzc determination

Table 2 shows the weight percent of TiO2 deposited in the
different TiO2/GAC composites. Each sample was analysed 15 times.



Fig. 2. SEM images of the TiO2/Norit® GAC 1240 Plus prepared by: a) precipitation; b) hydrothermal; and c) impregnation by immersion; and TiO2/Norit® ROX 0.8 prepared by: d)
precipitation; e) hydrothermal; and f) impregnation by immersion.
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A relative standard deviation of 2.1%was obtained. The highest TiO2
loadings were obtained with the precipitation method for the TiO2/
Norit® GAC 1240 Plus composite with a deposition of 9.1% of TiO2.
Orge et al. (2017) synthesised similar materials but they did not
quantify the TiO2 loading. Other authors, such as Noorimotlagh
et al. (2018) only managed to deposit 0.7% of TiO2.

Andriantsiferana et al. (2014), using the metal-organic chemical
vapor deposition technique (MOCVD), obtained a TiO2/GAC cata-
lytic material with a specific surface area of 962m2/g starting from
a surface area of activated carbon of 1100m2/g; however, the pore
size (12 Å), volume of mesopores (0.041 cm3/g) and amount of TiO2
deposited (7.9%) is less suitable in comparisonwith the TiO2/Norit®

GAC 1240 Plus composite prepared in this work. Moreover, their
methodology is more complicated and requires special equipment.

The efficiency of the catalyst could be affected by its point of
zero charge (PZC). When the surface of the catalyst is positively
charged it favours interactions with anionic pollutants, whereas a
negatively charged surface promotes interactions with cationic



Fig. 3. SEM micrographs and EDAX composition of pristine activated carbons: a) original Norit® GAC 1240 Plus; and b) original Norit® ROX 0.8 external surface; cross-section of: c)
TiO2/GAC composite prepared with Norit® GAC 1240 Plus by the precipitation method; and d) TiO2/GAC composite prepared with Norit® ROX 0.8 by the precipitation method.
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Fig. 4. FTIR spectra in the region between 4000 and 400 cm�1 for the Norit® GAC 1240
Plus catalyst, TiO2 and the TiO2/Norit® GAC 1240 Plus composite prepared by the
precipitation method.
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pollutants. The point of zero charge was determined according to
the method described by Silva et al. (2016). A surface charge is at its
point of zero charge when the surface charge density equals zero. It
Fig. 5. Nitrogen adsorptionedesorption isotherms and pore size distributi
is a negative logarithm value for the activity of the charge-
determining ions in the bulk phase (Lyklema, 1991). On porous
materials, such as TiO2/GAC composites, a point of zero charge
value represents the net total (external and internal) of the parti-
cle's surface charges (Men�endez et al., 1995). As shown in Table 2,
different PZC values were obtained for the different composites in
this study. The differences can be attributed to three reasons.
Firstly, in function of the synthesis method, the proportion of
groups on the TiO2 surface (singly coordinated Ti3O0, doubly co-
ordinated Ti2O2/3- and triply coordinated TiO4/3-) can modify the
PZC. Secondly, the increase in the size of agglomerates can displace
the point of zero charge to lower pH values. Finally, the presence of
large TiO2 particles that obstruct part of the GAC pores (Ferreiro
et al., 2019; Skwarek et al., 2016). According to Table 2, the PZC
was 6.4 for the TiO2/Norit® GAC 1240 Plus composite prepared by
the precipitation method. This value is similar to the one obtained
for commercial Aeroxide® P25 catalysts (Song et al., 2010; Zheng
et al., 2018). Therefore, the TiO2/Norit® GAC 1240 Plus compos-
ite's PZC has a very limited influence on the removal of aniline
because of the low dissociation constant (pKa ¼ 4.61) and high PZC
of the catalyst (pHpzc ¼ 6.4).

3.6. Catalyst activity comparison

To compare the catalytic activity of the composites obtained in
on of GACs and TiO2/GAC composites calculated using the BJH model.



Table 2
Surface properties of synthesised TiO2/GAC composites.

Sample SBET, m2/g Sext, m2/g VT, cm3/g Vm, cm3/g VM, cm3/g VM/VT, % Vm/VT, % DP, Å pHpzc TiO2 loading,
wt %

Norit® GAC 1240 Plus 967.0 224.4 0.48 0.32 0.16 33.3 66.7 36.8 7.4 0.0
TiO2/Norit® GAC 1240 Plus (precipitation method) 985.0 298.9 0.45 0.29 0.16 35.2 64.8 33.9 6.4 9.1
TiO2/Norit® GAC 1240 Plus (hydrothermal method) 931.3 208.6 0.46 0.31 0.15 32.0 68.0 36.3 3.6 2.1
TiO2/Norit® GAC 1240 Plus (impregnation by immersion

method)
963.7 223.2 0.48 0.32 0.16 33.3 66.7 36.8 5.5 2.9

Norit® ROX 0.8 1558.9 494.7 0.54 0.45 0.09 16.7 83.3 25.2 8.9 0.0
TiO2/Norit® ROX 0.8 (precipitation method) 1400.9 446.8 0.53 0.41 0.12 23.3 76.7 27.5 6.0 5.5
TiO2/Norit® ROX 0.8 (hydrothermal method) 1395.4 376.2 0.54 0.44 0.10 18.6 81.4 27.7 4.4 2.8
TiO2/Norit® ROX 0.8 (impregnation by immersion method) 1266.4 320.6 0.51 0.41 0.10 20.2 79.8 27.5 7.4 3.8

SBET e BET surface area; Sext e external surface area; VT e total pore volume; Vm - micropore volume; VM e mesopore volume; VM/VT e mesopore percentage; Vm/VT e

micropore percentage; DP e average pore diameter.

Fig. 6. Comparison of the activity of the synthesised catalysts. a) Predictions of the
proposed first-order kinetics model for aniline degradation. b) Mineralisation of
degraded aniline samples using direct and catalytic ozonation treatments combined
with composites prepared by: precipitation, immersion-impregnation and hydro-
thermal methods. Experimental conditions: C0¼ 20.0mg/L; pH0¼ 7.5; T¼ 18.0 �C;
P¼ 1 atm; FG¼ 2.5 g O3/h; CGO3, in¼ 11.3mg/L; mcat¼ 5.0 g; Vreac¼ 1.5 L.
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this work, the primary degradation of solutions containing
20.0mg/L of aniline at pH0 ¼ 7.5 and CGO3, in ¼ 11.3mg/L using 5.0 g
of catalyst (see Fig. 6). Eq. (22) may describe the kinetic model for
aniline degradation considering a parallel second-order reaction
mechanism.

�rANI ¼ �dCANI
dt

¼ khomCANICO3
þ khetCANICOH (22)

where khom and khet are the kinetic constants associated with the
molecular and radical ozonation pathways. According to several
authors (Beltran, 2003; Orge et al., 2017), Eq. (22) can be simplified
for an overall analysis of the ozonation process, leading to Eq. (23).

�rANI ¼ �dCANI
dt

¼ k0CANI (23)

where k0 (min�1) is an apparent first-order constant. To assess the
reaction rate, another option is to calculate the half-life of the re-
action (t1/2), as in Eq. (24).

t1 =

2
¼ ln 2

k0
(24)

Table 3 summarises the corresponding rate constants. The
standard deviation was less than 3% in all cases. The TiO2/Norit®

GAC 1240 Plus composite synthesised by the precipitation
method showed the highest degree of mineralisation and
oxidation rate. Complete aniline removal took 5min with this
composite (Fig. 6a). The same material produced a mineralisation
of 61.73% after 45min (Fig. 6b), t1/2¼ 0.65min and a kinetic
constant of k'¼ 1.07 min�1.

3.7. Effect of pH

The effect of pH on the O3/TiO2/GAC process was studied from
3.0 to 9.0 (Fig. 7) because this range is closely related to the ionic
species in solution considering the aniline dissociation pKa (see Eq.
(25)).

C6H5NH2 ðaqÞþH2OðlÞ%C6H5NH
þ
3 ðaqÞþOH� ðaqÞ pKa¼4:61

(25)

According to the pKa value in Eq. (25), the concentration of
anilinium cations is negligible at pH> 4.61. Consequently, the re-
action rate is expected to increase under basic conditions, which is
also enhanced by a parallel increase in hydroxyl radical generation.
Conversely, at acidic pH below 4.61, the greater presence of anili-
nium cations and a positively charged catalyst surface would justify
a significant reduction in the degradation rate. Thus, the overall
reactivity of aniline towards ozone (khom) in Eq. (22) increases from
5.9$104M�1s�1 at pH¼ 1.5 to 1.4$107M�1s�1 at pH¼ 6.5
(VonSonntag and VonGunten, 2012). According to Table 3, a higher
oxidation rate was achieved at pH¼ 7.0. Furthermore, the kinetic



Table 3
Summary of kinetic parameters and process performance of the catalytic ozonation treatment using TiO2/GAC composites for aniline degradation after 45min of reaction.

Ozonation Conditionsa TOC removal, % ANI removal, % h O3, mg O3/mg TOC k′, min-1 t1/2, min k1, AU-1 min-1 k2, AU-1 min-1

Ozone alone 12.96 99.9 0.2 3.54
O3/Norit® ROX 0.8 46.85 100.0 0.61 1.14
O3/TiO2/Norit® ROX 0.8 (hydrothermal method) 43.84 99.9 0.47 1.47
O3/TiO2/Norit® ROX 0.8 (impregnation by

immersion method)
46.25 99.9 0.52 1.32

O3/TiO2/Norit® ROX 0.8 (precipitation method) 59.71 100.0 0.87 0.8
O3/Norit® GAC 1240 Plus 54.77 99.9 0.76 0.92
O3/TiO2/Norit® GAC 1240 Plus (hydrothermal method) 40.26 99.9 0.47 1.49
O3/TiO2/Norit® GAC 1240 Plus (impregnation by

immersion method)
49.36 100.0 0.75 0.92

O3/TiO2/Norit® GAC 1240 Plus (precipitation method). 61.73 100.0 1.07 0.65
Variantsb: pH¼3.0 (constant) 53.47 100.0 839.1 0.80 0.87 401.94 29.47

pH¼5.0 (constant) 63.46 100.0 689.8 1.15 0.60 397.04 41.91
pH¼7.0 (constant) 70.72 100.0 552.5 1.26 0.55 382.50 53.82
pH¼9.0 (constant) 61.58 100.0 703.3 1.11 0.62 399.20 35.65
CGO3¼3.7 mg/L 71.75 100.0 399.5 1.34 0.52 377.63 59.14
CGO3¼5.4 mg/L 80.24 100.0 26.8 1.65 0.42 372.50 66.37
CGO3¼11.3 mg/L 70.72 100.0 552.5 1.26 0.55 382.50 53.82
CGO3¼20.1 mg/L 47.45 100.0 1522.2 0.74 0.94 403.91 27.60

a In all the cases pH0¼7 (initial) and CGO3¼11.3 mg/L.
b For the last item (precipitation method), effects of several constant pHs (CGO3¼11.3 mg/L) and CGO3values (constant pH¼7.0).
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constant had a value of k’¼ 1.26 min�1 and a mineralisation of
70.72% was obtained within 45min. The considerable improve-
ment of the process in terms of TOC reduction suggests that the
byproducts are better degraded at a neutral pH.

During the degradation of aniline, we observed colour changes
in oxidised water. Other studies have also reported these colour
changes, with aniline solutions presenting colours such as pink,
purplish red, reddish orange, orange, yellow, reddish brown and
light yellow (Jing et al., 2015). The colour changes probably corre-
spond to the appearance of various intermediate products gener-
ated during aniline's transformation, where themain intermediates
would be benzoquinone (245 nm), nitrobenzene (252 nm) and
nitroaniline (375 nm). Based on this phenomenon, we have pro-
posed a colour kinetic model that considers a second-order kinetic
reaction scheme (Eq. (26)), similar to that applied by Villota et al.
(2018):

Colour0����!Colour����!Colourless (26)

In the proposed reaction model, Colour0 is the initial level and
Colour is the corresponding level at time t. The initial colorationwas
attributed to the aniline in solution with a value of 0.004 AU. k1
expresses the kinetic constant for the colour appearance due to
aniline removal, whereas k2 represents colour disappearance due to
the degradation of aniline intermediates during the reaction. As
shown in Table 3, the constant k1 is about 10 times greater than k2.
So, this scheme can be considered as consecutive reactions and the
kinetics of colour formation (t< tmax) and colour disappearance
(t> tmax) can be described using the following second-order
equations:

dColour
dt

¼ k1Colour
2 (27)

dColour
dt

¼ �k2Colour
2 (28)

The evolution of colour formation with time can be obtained by
integrating Eq. (27), up to tmax, as shown in Eq. (29). The colour
disappearance is represented by Eqs. (28) and (30) respectively.
1
Colour

� 1
Colour0

¼ �k1t (29)

1
Colour

� 1
Colourmax

¼ k2ðt � tcolourÞ (30)

The estimated constants k1 and k2 (in AU�1min�1) are shown in
Table 3. The standard deviation was less than 2% in all cases. A
greater colour intensity during the oxidation reaction represents
lessmineralisation of the contaminants present in the solution, so it
is important that the value of the constant k2 is as high as possible,
and is indicative of further degradation of aniline intermediates,
leading to the complete removal of coloured compounds. Fig. 7c
shows that colour intensity increased at extreme values of pH, 3.0
and 9.0, due to the generation of a higher concentration of chro-
mophore oxidised species. Contrastingly, at neutral pH, both the
maximum colour intensity and the residual colour at the end of
catalytic ozonation were clearly lower. There is a clear improve-
ment in the oxidative reactivity at pH¼ 7.0 because it coincides
with the highest value for the colour disappearance constant (k2 ¼
53.82 AU�1 min�1). This favours oxidation of the chromophore
species leading to colourless degradation products; the colour de-
creases to the initial value (Colour¼ 0.004 AU) in just 10min.

The decrease of absorbance at 254 nm (Fig. 7b) represents
greater degradation due to rupture of the aromatic structure and,
consequently, minimum absorbance values are found (Chen et al.,
2019). The greatest decrease in absorbance at 254 nm was recor-
ded at pH¼ 7.0. This behaviour is similar to that observed for the
colour reduction. Therefore, pH¼ 7.0 seems to promote both aro-
matic ring rupture and the destruction of the chromophore's
groups, thus leading to favourable oxidation conditions.
3.8. Effect of inlet O3 concentration

The effect of ozone dose was studied by varying the inlet ozone
concentration in the range of 3.7e20.1mg O3/L. Fig. 7 shows the
influence on aniline removal, TOC conversion profiles, colour and
aromatic ring rupture expressed as absorbance at 254 nm. In gen-
eral, the catalytic activity improves as the concentration of ozone
increases. But, when there is an excess of ozone, above a dose of
5.4mg/L, it can react with the hydroxyl radicals producing



Fig. 7. Study of the effect of pH and ozone dose during the catalytic ozonation of aniline with TiO2/GAC composites. Evolution of: a) primary aniline degradation fitted to a first-
order kinetic model and TOC removal; b) aromatic ring rupture; c) colour induction in the oxidation of aniline solutions fitted to a second-order kinetic model. Experimental
conditions: 1) effect of pH: C0¼ 20.0mg/L; T¼ 18.0 �C; P¼ 1 atm; CGO3, in¼ 11.3mg/L; mcat¼ 5.0 g; Vreac¼ 1.5 L; and 2) effect of ozone dose: C0¼ 20.0mg/L; pH¼ 7.0; T¼ 18.0 �C;
P¼ 1 atm; mcat¼ 5.0 g; Vreac¼ 1.5 L.
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hydroperoxyl radicals (HO2
C) of lower oxidative capacity, thus

reducing the treatment's efficacy. This can be explained through
the mechanism proposed by Buhler et al. (1984) and Staehelin et al.
(1984) as shown in Eqs. (31) and (32):

O3þHO�/HO�
4 k ¼ 2$109 M�1s�1 (31)

HO�
4/HO�

2þO2 k ¼ 2:8$104 s�1 (32)

Figure S2 shows the evolution of the concentration of ozone in
the liquid phase (Fig. S2a) and its concentration in the gas phase at
the outlet (Fig. S2b). The ozone concentration in the liquid phase at
a dose of 5.4mg/L can be split into three stages: i) between 0 and
2min e the absence of ozone in the liquid phase can be associated
with the primary removal of aniline; ii) between 6 and 8min e a
strong increase in the ozone would be associated with the elimi-
nation of intermediate degradation products; and iii) after 10mine

the concentration of ozone in the liquid phase slowly increases, so
the process loses efficiency.

With an optimal ozone dose of 5.4mg/L, we observed a



Table 4
Treatment costs in aniline ozonation.

Treatment C0, mg/L TOC removed, mg Overall O3 consumption, mg Energy consumption, kWh/kg TOC Treatment cost, V/kg TOC References

O3 103.81 71.37a 56.01 7.84a 0.83a Jing et al. (2015)
O3/GAC 102.44 26.60 225.00 84.59 8.96 Faria et al. (2007)
O3/TiO2-GAC 93.13 24.62 450.00 182.78 19.35 Orge et al. (2017)
This work 20.0 8.46 5.15 6.08 0.64 -

a Calculated from COD reduction
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mineralisation of 80.24% and a very high oxidation rate (k'¼ 1.65
min�1) in just 45min. Other works achieved 70% TOC removal in
180min (Faria et al., 2007; Orge et al., 2017). Consequently, this new
composite together with the optimal operating conditions pro-
posed here far exceeded published results for catalytic ozonation of
aniline wastewaters. Other parameters such as colour tended to
diminish at the optimal ozone dose of 5.4mg/L with a colour
disappearance constant of k2 ¼ 66.37 AU�1 min�1 due to the
oxidation of aniline to low molecular weight colourless com-
pounds. Conversely, at the higher ozone dose of 20.1mg/L, we
recorded a greater colour intensity and lower colour disappearance
constant (k2¼ 27.60 AU�1 min�1).

An excess of ozone lead to (see Eqs. (31) and (32)) the produc-
tion of inefficient hydroperoxyl radicals, decreasing the system's
oxidizing capacity as evidenced by a greater amount of coloured
products. Moreover, the lowest absorbance value at 254 nm
compared to the other doses studied was also observed with the
optimal ozone dose of 5.4mg/L. This demonstrates the high level of
aromatic ring rupture and the favourable oxidative efficiency of the
radicals formed under these conditions.

An important aspect of catalytic ozonation processes is the
amount of ozone consumed since this is the most important factor
when determining the treatment cost. The efficiency of the process
was evaluated through the parameter ƞO3, as defined in Eq. (33)
proposed by Alvarez et al. (2011):

hO3
¼

FG

ðtf
0

�
CGO3

;in � CGO3
;out

�
dt

V
�
TOC0 � TOCf

� (33)

where FG is the gas flow rate (mg/min); CGO3, in and CGO3, out are the
concentrations of ozone at the reactor inlet and outlet gas streams
(mg/L), respectively; and V is the reaction volume (L). According to
Eq. (33), with an ozone dose of 5.4mg/L, the process is much more
efficient in terms of ozone usage than other experimental condi-
tions. The consumption was drastically reduced to ƞO3¼ 26.8mg
O3/mg TOC when operated under optimal conditions (see Table 3).
This is very noteworthy for the implementation of a catalytic
ozonation system because the cost of ozone is the key economic
factor (Alvarez et al., 2011; Carbajo et al., 2006). The cost of any
ozonation treatment is very hard to estimate because factors such
as mass transfer and ozone gas-phase concentration can influence
the reaction route and kinetics and therefore oxidation efficiency
(Krichevskaya et al., 2011). Equipment or maintenance costs were
omitted for the estimations since they depend on the particular
conditions of each system. The TOC or COD were used to compare
costs between the different technologies since in many cases the
byproducts of the degradation of pollutants pose a significant
threat to the environment and their disposal may be as significant
as that of the parent compound. Therefore, we estimated that
ozone generation requires 10 kWh/kg O3 and the price of electricity
for industrial consumers in Spain is 0.1059 V/kWh (European
Union, 2018). The costs associated with ozone consumption are
summarised in Table 4.
According to Table 4, the catalytic ozonation of aniline with the
TiO2/GAC composite developed in this study has a cost of 0.64 V/kg
TOC compared to 8.96 V/kg TOC (Faria et al., 2007) or the 19.35
V/kg TOC calculated by Orge et al. (2017). This system has achieved
high efficiencies which could lead to its industrial implementation
with the new materials proposed in this work.

4. Conclusions

An efficient catalytic ozonation process has been tested for the
treatment of water containing aniline as an alternative to the use of
activated sludge. With the aim of preventing the inhibitory effects
of aniline on enzyme activity and sludge respiration, we have
proposed several methods for the synthesis of newmaterials based
on TiO2 and activated carbon. It has been analysed aniline degra-
dation and mineralisation for all the new composites. The best re-
sults were obtained with a new TiO2/GAC catalyst based on “in situ”
formation of TiO2 using alcoholic TiCl4 precursor solutions on
granular activated carbon Norit® GAC 1240 Plus. This method has
achieved high TiO2 dispersions with a homogeneous distribution of
nanocrystals (10 nm) on both the external surface and the internal
pores of the activated carbon support. It was observed a 25% in-
crease in the composite's external surface, as well as a BET surface
of 985m2/g with 9.1% TiO2 loading. It was tested our TiO2/GAC
composites in the ozonation of aniline solutions and optimised
variables such as pH and ozone dose. As a result, a pH¼ 7.0 and
ozone dose of 5.4mg/Lwere the best working conditions producing
complete aniline degradation in only 5min (k'¼ 1.65min�1). Under
these optimum conditions, in 45min the system achieved 80.24%
mineralisation and total colour loss, with only 26.8mg O3/mg TOC
removed and at a cost of ozone treatment of 0.64 V/kg TOC.
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Abstract: This work aims to study the sustainable catalytic ozonation of aniline promoted by granular
active carbon (GAC) doped with TiO2. Aniline was selected as a model compound for the accelerator
manufacturing industries used in the manufacture of rubber due to its environmental impact,
low biodegradability, and harmful genotoxic effects on human health. Based on the evolution of total
organic carbon (TOC), aniline concentration measured using high performance liquid chromatography
(HPLC), pH and ozone concentration in liquid and gas phase, and catalyst loading, a three-phase
reaction system has been modelled. The proposed three-phase model related the ozone transfer
parameters and the pseudo-first order kinetic constants through three coefficients that involve the
adsorption process, oxidation in the liquid, and the solid catalyst. The interpretation of the kinetic
constants of the process allowed the predominance of the mechanism of Langmuir–Hinshelwood or
modified Eley–Rideal to be elucidated. Seven intermediate aromatic reaction products, representative
of the direct action of ozone and the radical pathway, were identified and quantified, as well as
precursors of the appearance of turbidity, with which two possible routes of degradation of aniline
being proposed.

Keywords: aniline; catalytic ozonation; degradation routes; industrial wastewater; three-phase
system; TiO2/GAC

1. Introduction

At present, as part of corporate social responsibility, manufacturing industries must compromise
in the short-term in order to carry out environmental protection actions. A report from the United
Nations has indicated that, in 2015, more than 80% of the wastewaters of worldwide human activities
were being discharged into rivers and sea without the removal of polluting substances [1]. Despite
the fact that manufacturing companies have been opting for environmentally sustainable processes,
the Sustainable Development Goals (SDGs) are unfortunately far from being met in 2030 [2]. In this
work, the removal of aniline, as a model pollutant of environmental concern, is studied. Aniline (ANI)
is mainly used in the synthesis of methylene diphenyl isocyanate to produce polyurethane foams,
antioxidants, activators, and accelerators in the rubber industry, as well as in the synthesis of indigo
and other dyes [3]. It is also employed as a raw material in the manufacturing of different types of
fungicides in the agricultural and pharmaceutical industries [4,5].
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The uncontrolled discharge of industrial effluents containing aniline is harmful to both humans
and the environment. In humans, it has been well-documented to induce carcinogenic, teratogenic,
and mutagenic effects [6]. Acute exposure to high amounts of aniline (>1 g) for a 75 kg person could
lead to coma or even death [7]. In addition, uncontrolled discharges containing aniline could disturb
the aquatic environment, causing mortality in aquatic animals and plants [4]. High concentrations of
aniline in rivers and groundwater could affect crop safety and, consequently, human health. Studies
of aniline genotoxicity in plants have also been carried out, which concluded that it significantly
inhibits the growth of wheat crops irrigated with water contaminated with aniline at a concentration of
25 mg L−1 [8]. Therefore, aniline has garnered great attention and has been classified as a persistent
organic pollutant by the U.S. Environmental Protection Agency [9]. Conventional treatment systems
based on biological processes are not suitable for the treatment of wastewater contaminated with
aniline, due to micro-organism deactivation. Hence, new treatment technologies are needed, in order
to transform aniline into biodegradable substances of lower toxicity before conducting biological
treatment [6,8].

The removal of aniline from contaminated water has been a topic of concern for several research
groups, as shown in Table 1. According to Table 1, in most studies a high degree of mineralization
and degradation of the aniline was not achieved. Additionally, most of the treatment technologies for
aniline removal require complex equipment, which are costly and have limited potential for full-scale
implementation in wastewater treatment plants. Among such technologies, heterogeneous catalytic
ozonation based on the use of TiO2/granular active carbons (GAC) has emerged as a sustainable
and cost-effective (0.64 Euro per kg of total organic carbon (TOC) eliminated) treatment alternative
for the removal of aniline from contaminated waters [4]. An increase in the number of scientific
reports has indicated the successful development of new activated carbon types modified through
the incorporation of metal oxides with enhanced catalytic activity, thus endorsing the application of
this catalytic technology at industrial scale [10,11]. The improvement in the removal yields can be
attributed to the ozonation mechanisms that take place on catalytic surfaces. These mechanisms have
not yet been fully defined [12]. One mechanism postulated is that the catalyst acts as an adsorbent
where organic contaminants are first adsorbed on the catalyst surface and then removed [13]. The other
mechanism proposed suggests that the titanium oxides favours ozone mass transport and initiates its
decomposition. This mechanism assumes that the hydroxyl groups on the catalytic surface play an
important role in the generation of the radical species [14].

In order to fulfil the industrial implementation requirements of this new catalytic technology,
the prediction of operating behaviour under different working conditions becomes a critical point,
which is yet to be solved. Delmas et al. [15] modelled a sequential process based on adsorption onto
activated carbon followed by a wet catalytic oxidation with ozone. However, only a few studies have
focused on the prediction and estimation of the effects of the main operational variables (e.g., pH,
ozone dose, and catalyst load), as well as the contribution of chemical surface properties of TiO2/GAC
composite during the heterogeneous catalytic ozonation of wastewater containing aniline [16–19].
The study presented here addresses such challenges. In particular, we aim to develop a three-phase
modelling approach that includes mass transfer parameters and rate constants from both surface and
liquid bulk reactions which allow for the establishment of operating conditions that: (i) enhance radical
generation due to ozone decomposition promoted by the TiO2/GAC composite and (ii) avoid both
catalyst deactivation and deterioration of the physical–chemical properties of the GAC.
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Table 1. Previous studies regarding the treatment of industrial wastewater containing aniline.

Treatment Catalyst Operating Conditions Comments References

Ozone —

(Time) = 120 min; C0 = 103.81 mg L−1; pH = 7.0;
T = 20 ◦C; FG = 2.5 g h−1;

CO3,G = 22.0 mg L−1; (%) = 93.56%;
(% COD) = 31.03%

Studied the effect of operational variables on the
biodegradability of aniline oxidation by-products,

highlighting among them diacid butane, oxalic
acid, and formic acid.

[6]

US/O3 —
(Time) = 30 min; C0 = 100 mg L−1;

pH0 = 7.0; T = 25 ◦C; FG = 12 mg min−1;
USdensity = 0.1 W mL−1; (%) = 99%; (% TOC) = 51%

The synergistic effect improved the degradation
and mineralization of aniline by 64% and 110%

respectively in terms of total organic carbon (TOC)
compared to simple ozonation.

[20]

O3/GAC
GAC (Norit® 1240 Plus granular

activated carbon (Cabot Norit
Americas, Inc., Marshall, TX, USA))

(Time) = 30 min; C0 = 102.44 mg L−1;
pH = 7.0; T = 25 ◦C;

FG = 150 cm3 min−1; CO3,G = 50.0 mg L−1; (%) = 100%;
(% TOC) = 56%; MCAT = 500 mg L−1

Studied the catalytic effect of GAC on the
ozonisation process. Basic GACs had a higher
capacity for decomposition of O3 and organics

adsorption.

[21]

O3/TiO2-GAC

TiO2/GAC (Nanocyl® 3100
activated carbon doped with TiO2
by hydration–dehydration method

(Nanocyl SA, Sambreville,
Belgium))

(Time) = 60 min; C0 = 93.13 mg L−1;
pH = 5.6; T = 25 ◦C;

FG = 150 cm3 min−1; CO3,G = 50.0 mg L−1;
(%) = 100%; (% TOC) = 57%; MCAT = 500 mg L−1

A higher mineralization was observed when
doping the GAC with TiO2 oxides. The absence of
NH4

+ promoted a different oxidation mechanism
compared to pristine GAC.

[22]

TiO2/GAC (Norit® 1240 Plus
granular activated carbon doped

with TiO2 by precipitation method
(Cabot Norit Americas, Inc.,

Marshall, TX, USA))

(Time) = 45 min; C0 = 20.0 mg L−1;
pH = 7.0; T = 18 ◦C; FG = 2.5 g h−1;

CO3,G = 5.4 mg L−1; (%) = 100%;
(% TOC) = 80.24%; MCAT = 3.33 g L−1

Through a novel method of synthesis by
precipitation, a high yield was obtained in terms of

degradation and mineralization.
[4]

TiO2/UV Hybrid Suspended-Supported TiO2

(Time) = 4.73 h; C0 = 22 mg L−1;
MCAT = 60 mg L−1;

(Supp. Cat.) = 2.3 mg cm−2; pH = 12.0;
T = 25 ◦C; (%) = 99%

Under favourable operating conditions, using a
hybrid system with suspended TiO2 catalyst, a

23% improvement in the elimination of aniline was
observed compared to supported catalyst.

[5]
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2. Materials and Methods

2.1. Materials

The granular activated carbon Norit®GAC 1240 Plus was used as a parent material (provided by the
Cabot Corporation, Marshall, TX, USA) with an average particle size of 1.4 mm. The GAC was chemically
modified and TiO2 was introduced using a wet precipitation method already described elsewhere [4];
this combination is denoted as TiO2/GAC. Both activated carbon samples have been previously
characterized [4]; Table 2 summarizes their key textural and chemical surface properties. Textural
characteristics, such as specific surface area (SBET), micropore (Vmicro) and mesopore (Vmeso) volumes,
and average pore diameter (Dp), were obtained by observing N2 adsorption–desorption isotherms at
77 K [4]. The pH of the point of zero charge (pHpzc) was determined using an acidimetric–alkalimetric
titration method [5]. The bulk chemical composition of GAC samples was measured using X-ray
fluorescence (XRF), as described previously [4]. The XRF results indicate that the parent GAC is
mainly composed of SiO2 (5.61%) and Al2O3 (0.45%), followed by Fe2O3 (0.28%), CaO (0.12%),
S (0.08%), MgO (0.05%), Na2O (0.04%), TiO2 (0.03%), and MnO (0.01%). After the applied modification
treatment to the parent GAC, the TiO2/GAC sample was principally comprised of TiO2 (9.33%)
and SiO2 (7.01%), followed by Al2O3 (1.00%), Fe2O3 (0.25%), CaO (0.11%), S (0.19%), Cl (2.53%),
MgO (0.22%), Na2O (0.04%), and MnO (0.01%), as determined using XRF.

Table 2. Textural and chemical surface properties of the parent and modified GAC samples [4].

Samples SBET
(m2 g−1)

Vmicro
(cm3 g−1)

Vmeso
(cm3 g−1)

Dp

(Å)
pHpzc

Norit® GAC 1240 Plus 967.0 0.32 0.16 36.8 7.4
TiO2/GAC 985.0 0.29 0.16 33.9 6.4

2.2. Analytical Methods

Aniline concentration was measured using HPLC with a Waters Alliance 2695 liquid chromatograph
(Waters, Milford, CT, USA) equipped with an Agilent ZORBAX® Rapid Resolution High Definition
(RRHD) Eclipse PAH threaded column (150 mm × 4.6 mm, 5 µm) (Agilent Technologies, Palo Alto,
CA, USA) with a guard column and kept at 20 ◦C. A volume of 20.0 µL of sample was injected.
A water:methanol (80:20 v/v) solution was used as a mobile phase with a flow-rate of 1.0 mL min−1.
Aniline was detected using a Waters 996 UV-DAD detector (Waters, Milford, CT, USA) at 230 nm.

Aniline oxidation by-products were identified using liquid chromatography coupled to mass
spectrometry (MS) in an Agilent 6530 Q-TOF LC/MS (Agilent Technologies, Palo Alto, CA, USA).
The separation was carried out using a Kinetex EVO® C18 column (100 mm × 3 mm, 2.6 µm)
(Phenomenex, Torrance, CA, USA) kept at 35 ◦C. A 5.0 µL volume of sample was injected using a
flow of 0.3 mL min−1. A mobile phase A consisting of water and a mobile phase B of acetonitrile both
containing 0.1% (v/v) HCOOH were used. The elution started with 20% of B and was maintained for
2 min. Then, the concentration of B was increased until it reached 100% at 22 min. The concentration
was kept stable for 4 min and a new separation started after 2 min. MS detection was carried out in the
positive voltages, following the optimization of electrospray ionization (ESI) parameters. A nitrogen
flow of 10 L min−1, a capillary voltage of 3500 V, a nebulizer pressure of 20 psi, and a source temperature
of 350 ◦C were applied. Calibration curves were formed using aqueous solutions of external standards
of known composition.

The degree of mineralization was quantified following the total organic carbon (TOC) concentration
using a Shimadzu TOC-VCSH analyzer (Izasa Scientific, Alcobendas, Spain). Turbidity was determined
using a turbidimeter EUTECH TN-100 from Thermo Scientific (Thermo Scientific, Singapore).

Chemical surface functionalities of pristine and spent GAC samples were identified using
Fourier-transform infrared spectroscopy (FTIR). GAC samples were ground in an agate mortar and the



Water 2020, 12, 3448 5 of 26

resulting powders were mixed with anhydrous KBr to yield a mix with 0.5 % w/w of GAC. A pressed
disc of the mixed sample was placed in a disc holder in a JASCO 4200 spectrometer (JASCO Corporation,
Tokyo, Japan) equipped with a DLaTGS detector. Spectra were acquired in transmittance mode in the
range 4000–400 cm−1 with an average of 64 scans and at a resolution of 4 cm−1, using Spectra Manager
software V 2.14.02 (JASCO Corporation, Tokyo, Japan). A pressed disc of pure KBr was used as a
background for each measurement.

2.3. Experimental Set Up of The Catalytic Ozonation System

Catalytic ozonation experiments were conducted in a 2 L semi-batch jacketed slurry reactor
equipped with a magnetic stirrer and several ozone gas diffusers (see Figure 1). The experiments were
carried out using a fixed volumetric flow of ozone (QG = 4 L min−1) at different pH conditions (3.0, 5.0,
7.0, and 9.0), with varying ozone doses in the gas phase (3.7, 5.4, 11.3, and 20.1 mg L−1) and catalyst
load (1.6, 3.3, 6.6, and 13.3 g L−1).

Figure 1. Experimental set-up used to carry out catalytic ozonation tests.

In this study, a concentration of 20.0 mg L−1 of aniline—a typical value found in industrial effluent
discharges—was used [10,11]. In a typical experiment, the reactor was charged with a 1.5 L solution of
aniline at a selected pH value and catalyst load. All experiments were carried out at an authorised
discharged temperature of 18 ◦C and 60 rpm. Ozone was generated in situ from ultra-pure oxygen
using a TRIOGEN LAB2B ozone generator (BIO UV, Lunel, France). Ozone concentration in the gas
phase was monitored using a BMT 964C ozone analyzer (BMT MESSTECHNIK GMBH, Stahnsdorf,
Germany). Dissolved ozone concentration and temperature were measured using a Rosemount
499AOZ-54 dissolved sensor (Emerson, Alcobendas, Spain). The pH value was registered with a
Rosemount Analytical model 399 sensor integrated into a Rosemount Analytical Solu Comp II recorder
(Emerson, Alcobendas, Spain).

Mass-transfer characterization of the reactor was performed using deionized water in the presence
of TiO2/GAC catalyst, following a procedure previously described by Rodríguez et al. [23]. Operating
conditions were kept similar to those used in the presence of aniline. Ozone concentrations in the gas
and liquid phases were monitored as described above. All experiments were conducted in duplicate
with a maximum standard deviation in concentration measurements not exceeding 0.1 mg L−1.
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3. Results and Discussion

3.1. Mathematical Modelling Approach Using TiO2/GAC Catalysts

3.1.1. Ozone Kinetic Mass Transfer Modelling

In catalytic ozonation processes, mass transfer is considered to be one of the most important
stages in the elimination of organic compounds from industrial wastewater. The transfer of ozone from
the gas phase to the aqueous phase is often a controlling step in the process [24]. Therefore, effective
ozonation is necessary to improve the oxidation of those compounds that are not highly biodegradable
and refractory. Thus, the effect of operational variables involved in the transfer of ozone to the liquid
(NO3 , mg L−1 min−1) through the overall mass transfer coefficient of ozone gas to water (KGa) or KLa is
expressed as follows:

NO3 = KGa×
(
PO3 − P∗O3

)
= KLa×

(
C∗O3,L −CO3,L

)
=

QG

Vreac
×

(
CO3,in −CO3,out

)
(1)

For calculation of the mass transfer coefficient (KLa) through the second equality, the contactor
was considered to be a perfectly mixed semi-continuous reactor. Equation (1) describes the transfer of
ozone from the gas to the aqueous phase during the isothermal catalytic ozonation process, where KLa
is the volumetric ozone mass transfer coefficient (min−1), C∗O3,L is the concentration of dissolved ozone

in the liquid phase at saturation conditions (mg L−1), Vreac is the volume of reaction solution (L), QG is
the flow rate of ozone gas at the inlet (L min−1), and CO3,in and CO3,out are the concentrations of ozone
in the gas phase at the inlet and outlet, respectively (mg L−1).

According to Rodriguez et al. and Schulz and Prendiville [23,25], in this study, the mass transfer
resistance in the gas phase was considered negligible compared to that of the liquid. Consequently,
the mass transfer coefficient KLa can be influenced by the volumetric gas flow, the pH of the solution,
the bubble size, and mixing regime, among others. A correctly designed ozone contactor should have
a good ozone transfer, avoiding mass transfer control in order to achieve a high mineralization

For determination of the KLa coefficient, the ozone concentration in the liquid at equilibrium was
determined through Henry’s law, according to Equation (2):

C∗O3,L = PO3 /He (2)

where Henry’s solubility constant (atm mole fraction−1) was estimated through Roth and Sullivan’s
correlation [26]:

He = 3.84× 107
×C0.035

OH−
× exp

(
−

2428
T

)
, (3)

where COH
− is the concentration of hydroxyl ions (mol L−1) and T is the system temperature (K).

Through the execution of a calculation program with Scilab® software version 6.1.0 (Scilab Enterprises,
Rungis, France), the KLa values (with a determination coefficient of R2 � 0.99) were determined for
different pH values and ozone doses at the reactor input. Figure 2 shows the estimated values of
the mass transfer constant as a function of pH maintaining a constant ozone dose (11.3 mg L−1) and
as a function of ozone dose maintaining a constant neutral pH of 7.0 for an ozonation system with
TiO2/GAC catalyst in the absence of a pollutant.
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Figure 2. Comparison of volumetric mass transfer coefficient: (a) influence of pH on KLa 1 and (b) effect
of inlet ozone concentration on KLa 2. Experimental conditions: QG = 4 L min−1; MCAT = 3.3 g L−1;
T = 18.0 ◦C; P = 1 atm; Vreac = 1.5 L; (Agitation) = 60 rpm. 1 CO3,in = 11.3 mg L−1; 2 pH = 7.0.

According to Figure 2a, an increase in the mass transfer coefficient was obtained by increasing
the pH of the solution. This is due to the fact that the solubility of ozone in water decreases in acid
(pH � 2–3) and alkaline (pH � 8–12) solutions [27]. Under acidic conditions, the decrease in solubility
is due to the formation of protonated ozone. This is because the protonation of ozone by the hydronium
ion (H3O+) is thermodynamically unfavourable and the reverse reaction leads to a lower activation
energy, which consequently leads to a decrease in solubility [28,29]. On the other hand, under alkaline
conditions (pH > 8), the decrease in ozone solubility in water is associated with the self-decomposition
of ozone due to the catalytic action of hydroxyl radicals.

The mass transfer coefficients obtained were of the same order of magnitude as those found by
other authors [23,30,31], emphasizing the significant increase at pH = 7.0, where Rodríguez et al. [23]
obtained a coefficient of 0.073 min−1.

In Figure 2b, the mass transfer coefficients obtained at different ozone doses compared while
maintaining a pH of 7.0 are shown. It was found that the dose of ozone had no significant effect on the
obtained KLa values. As can be seen, the mass transfer coefficient was independent of the input gas
concentration, which was 0.182 min−1. The same KLa obtained at different inlet ozone concentrations
is due to the fact that an increase in the ozone concentration in the gas simultaneously produces an
increase in the amount adsorbed and in the driving gradient (C∗O3,L − CO3,L). This confirms that ozone
transfer is controlled by the liquid phase, as reported by Berry et al. [32] in a study using membranes
and different doses of ozone injected into the reaction system.

According to the results obtained, it is suggested that these transfer coefficients depend mainly
on other external factors, such as the system through which the gas is introduced into the contactor
or the fluid dynamic conditions of the agitation of the ozonized solution. For better comprehension,
Figure S1 shows the evolution of the utilization coefficient as a function of the pH and dose of ozone.
The utilization coefficient (%) is defined as follows:

UO3 =
CO3,in −CO3,out

CO3,in
× 100 (4)

In both cases, two consecutive and distinct steps were observed. In the first step, up to
approximately 5 min, it was observed that ozone transferred from the gas phase to the liquid phase,
in which ozone becomes a molecular compound in water that previously did not exist. After that,
a transitory step occurred, in which the ozone transferred from the gas to the liquid phase is greater than
that consumed through self-decomposition and reaction with TiO2/GAC catalyst. Finally, a stationary
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state was reached, in which ozone accumulated in the system reached saturation and a constant value,
resulting in an equilibrium between the transferred and consumed ozone.

In Figure S1a, it can be observed that, after reaching saturation, a utilization coefficient of 32% was
obtained at pH = 7.0, compared to 19.5% obtained at pH = 3.0. This difference was due to the different
solubility that ozone has in water at different pH values, as explained above. The utilization value of
24.8% obtained at pH = 9.0 may be due to the fact that the transferred ozone instead contributes to
the accumulation of ozone in the liquid phase; in this case, it would undergo self-decomposition [12].
In the study of the ozone dose effect (Figure S1b), it can be observed that an increase in the ozone dose
reduces the efficiency of ozone use. This can be justified largely by the study carried out by Rodriguez
et al. [23]. In their study, the degradation of a dye such as rhodamine 6G was evaluated at different pH
values and doses of ozone in the presence of activated carbon. The ozone transfer and subsequent
consumption was conditioned by parameters, such as pH, which indirectly affect the reactivity of the
compound to be oxidized but not the concentration of ozone dose applied.

Von Sonntag and Von Gunten [33] studied the reactivity of aniline oxidation in an ozonation
process at different pH values. It was found that, at pH = 6.5, an oxidation kinetic constant of
1.4 × 107 M−1 s−1 was obtained versus pH = 1.5, where a constant of 5.9 × 104 M−1s−1 was obtained.
All of this indicates that, at pH = 7.0, the best operating conditions will be obtained (with regards to
the chemical reaction of oxidation and transfer of ozone from the gas phase to the liquid).

3.1.2. Aniline Degradation Kinetic Modelling

Modelling of the catalytic ozonation process was carried out to describe the combined action
of ozone and TiO2/GAC composite and to predict and estimate the overall parameters affecting the
process of degradation (and, in particular, the mineralization) of aniline. In this section, we propose
applying the adaptation of the three-phase mathematical model described by Ferreiro et al. [19],
which considers G-L ozone mass transfer, the adsorption process as well as the parallel oxidation that
takes place in the liquid phase and the oxidation at the surface of the catalytic material (TiO2/GAC).
The model proposed allows the evolution of the monitored pollutant or total organic carbon (TOC)
during the simultaneous oxidation reaction and adsorption process to be calculated. For application of
this simultaneous adsorption–oxidation (Ad/Ox) model, it was assumed that:

• The rate of the global ozonation process, or G-L mass transfer rate, coincides with the consumption
of ozone in the parallel (liquid and solid) reactive process.

• The oxidation kinetics of aniline in the liquid and in the solid, in terms of TOC, is considered as
pseudo-first order.

• For the TiO2/GAC composite, it was considered a sufficiently porous material for ozone and
aniline diffusion mechanisms to take place also in the internal surface of particle.

• The kinetic constant of the aniline oxidation on the solid, also in terms of TOC, includes desorption
of degradation compounds.

• The adsorption process is simultaneous to the reaction process on the solid so that its kinetics are
strongly affected by the ozonation conditions.

Based on these considerations, Ferreiro et al. [19], for an Ad/Ox process, deduced Equation (5) to
express the decrease in contaminant concentration in the liquid in terms of total organic carbon (Cp).
The degradation of the pollutant, rp, should be explained at two levels: in the liquid (rI

p) and on the
activated carbon (rII

p ), as a consequence of the oxidative action of the ozone transferred and consumed
in the liquid (NI

O3
) and on the solid (NII

O3
), respectively. In addition to the degradation of the pollutant,

the elimination due to adsorption is important in the first stages of the process.

−
dCp

dt
= rI

p + rII
p +

(
dCp

dt

)
ads

(5)
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The kinetic parameters of oxidation and adsorption can be expressed as a function of the respective
kinetic constants (kc,L, kc,S, and kads), ozone concentration, and pollutant, according to the following:

rI
p + rII

p =
(
zINI

O3
+ zIINII

O3

)
= kc,L ×CO3,L ×Cp + kc,S ×

CO3,L

m
×MCAT ×Zp (6)

(
dCp

dt

)
ads

= kads ×
(
Zp,∞ −Zp

)2
×MCAT (7)

In Equation (6), the stoichiometric coefficients zI and zII express the amount of pollutant (mg TOC
per mg of ozone) consumed in the liquid and on the catalyst, respectively. The above equation
assumes that the concentration of ozone on the catalyst, C∗O3,S is in equilibrium with the liquid
ozone concentration, CO3,L, and can be expressed as a function of this, according to CO3,L = m × C∗O3,S,

where m (mg L−1)/(mg g−1 catalyst) is the slope of the corresponding L-S balance. On the other
hand, Zp is the concentration of total organic carbon adsorbed in the catalyst (mg g−1), MCAT is the
concentration of catalyst (g L−1), and Zp,∞ is the amount of total organic carbon adsorbed in the
catalytic material at equilibrium (mg g−1), according to the Freundlich equation:

Zp,∞ = KF ×C1/n
p (8)

where KF is a Freundlich constant that indicates the adsorption capacity of the adsorbent
(mg g−1) (L mg−1)1/n and n describes the adsorption intensity. Values of n between 2 and 10 indicate
good adsorption intensity [34].

In a semi-continuous process in which an ozone flow is continuously injected, the concentration
of ozone in the liquid, CO3 , is assumed to be constant during the reaction [23]. This assumption
can be used to define the apparent first-order kinetic constants—koxL in the liquid and koxS over the
catalyst—to describe the degradation of the aniline, in terms of TOC (min−1). Consequently, the overall
pollutant concentration variation (Equation (5)) can be written as follows:

−
dCp

dt
= koxL ×Cp + koxS ×MCAT ×Zp + kads ×

(
Zp,∞ −Zp

)2
×MCAT, (9)

where Cp is the concentration of the pollutant (TOC) at a given time t (mg L−1), Zp is the concentration
of total organic carbon adsorbed onto the catalyst (mg g−1), MCAT is the concentration of catalyst
(g L−1), Zp,∞ is the amount of total organic carbon adsorbed in the composite at equilibrium (mg g−1),
koxL is the first-order kinetic constant due to the oxidation of aniline in the liquid (min−1), koxS is the
pseudo-first-order kinetic constant due to oxidation on the catalytic material (min−1), and kads is the
aniline adsorption constant (g mg−1 min−1). The combination of Equations (8) and (9) provides a
description of the variation in the pollutant concentration in the system from the determination of the
kinetic parameters (koxL, koxS, and kads) and the equilibrium parameters (KF and n).

3.1.3. Evaluation of Operating Conditions for Model Validation

Operational parameters such as pH, ozone concentration, or the dose of catalyst used have a
considerable effect on the efficiency of the removal of aniline using catalytic ozonation processes
with TiO2/GAC catalyst. Using the Ad/Ox model described above, it is possible to explain the effects
of the different parameters, such as the behaviour of the ozone or the catalyst dosage. In Figure 3,
the evolution of aniline degradation is shown, as well as the mineralization under various pH values
(3.0, 5.0, 7.0, and 9.0), ozone concentrations at the inlet (3.7, 5.4, 11.3, and 20.1 mg L−1), and catalyst
doses (1.6, 3.3, 6.6, and 13.3 g L−1).
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Figure 3. Effect of operating conditions on catalytic ozonation with TiO2/GAC: (a) pH 1, (c) inlet ozone
concentration 2, and (e) mass of TiO2/GAC catalyst in the aniline removal 3 and (b) 1, (d) 2 and (f)
in TOC (mineralization), showing experimental and modelled profiles fitted to the Ad/Ox process 3.
Experimental conditions: QG = 4 L min−1; T = 18.0 ◦C; P = 1 atm; Vreac = 1.5 L; (Agitation) = 60 rpm.
1 CO3,in = 5.4 mg L−1, MCAT = 3.3 g L−1; 2 pH = 7.0, MCAT = 3.3 g L−1; 3 pH = 7.0, CO3,in = 5.4 mg L−1.

The pH has a significant effect on the catalyst, as it directly affects the pathway through which
the ozone acts on the organic compound. Figure 3a,b shows that the best conditions for the effective
removal of aniline are present at a neutral pH of 7.0. The change in basicity associated with pollutant
removal at that pH, or specific basicity loss, is optimal [35]. In addition, it was observed that those
experiments conducted at slightly alkaline pH (pH = 9.0) obtained a higher oxidation rate because,
under these conditions, the indirect pathway for hydroxyl radical generation is promoted by the
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interaction between ozone and the TiO2/GAC catalyst. On the other hand, at acidic pH (pH = 3.0),
a more limited oxidation and mineralization rate was observed because, at this pH value, the attack
through the molecular pathway between ozone and aniline is mostly promoted [36,37]. Although this
pathway is more selective than the radical one, the oxidation power of molecular ozone (2.07 V) is
lower than that of the hydroxyl radicals (2.80 V) [28].

On the other hand, the dose of ozone in the catalytic ozonation reaction system is a critical
parameter for the degradation and mineralization of aniline. In Figure 3c,d, it is shown that, with an
ozone dose of 5.4 mg L−1, the highest aniline mineralization was achieved, with a value of 80.2%.
However, upon increasing the ozone dose considerably (to 20.1 mg L−1), a negative effect was obtained
as opposed to the generation of a larger amount of hydroxyl radicals. This was due to the fact that,
on the surface of the TiO2/GAC catalyst, instead of generating hydroxyl radicals for the degradation of
the organic compound, other species were generated, such as hydroperoxyl radicals—which have a
lower oxidation potential (1.70 V) than hydroxyl radicals (2.80 V) or ozone (2.07 V) [38]. Moreover,
a very high ozone dose (20.1 mg L−1) could transform the basic sites into acidic sites, as the oxidation
of the carbonaceous support can generate acidic groups such as lactones or carboxylic acid, which
could negatively influence the adsorptive properties of the TiO2/GAC composite itself [39]. This last
aspect will be analysed in detail later on.

In Figure 3e,f, the effect of the catalyst dose on the aniline removal rate is shown, providing
information on the optimal use of the TiO2/GAC material. An increase in catalyst dosage led to
increased degradation and mineralization of the aniline, with a favourable dosage of 3.3 g L−1, where
mineralization was close to 80% and complete degradation of the aniline was achieved in less than
10 min. In general, a higher catalyst dose increases the number of active sites on the surface of the
composite, thus facilitating the further decomposition of ozone into hydroxyl radicals [40]. However,
above a certain critical value, a decrease in TOC removal was observed, which may be due to the
adsorption of a higher proportion of pollutant on the catalyst, thus reducing the catalytic effect [38]
in favour of the adsorption. This indicates that a small amount of catalyst is sufficient to induce a
radical chain reaction that appears to be more effective on the dissolved than adsorbed pollutant.
Moussavi and Khavanin [41] studied the effect of the dose of activated carbon in a catalytic ozonation
process for the removal of phenol. It was observed that, from the optimal dose of catalyst, no further
improvement in mineralization was observed, as with the TiO2/GAC composite. Consequently,
it was concluded that there is an optimal dose of catalyst, which changes depending on the type of
catalyst, the organic compound to be eliminated, the operational conditions of the reaction, and the
desired cost-effectiveness.

The TOC removal kinetics was fitted to the model proposed in Section 3.1.2 by solving
Equations (8) and (9). Before analysing the results obtained from the Ad/Ox model, it was verified
that under the operating conditions studied the assumption of control of the chemical reaction during
catalytic ozonation was satisfied.

The control regime was verified through the UO3 profiles shown in Figure S2. It can be seen at
the lowest ozone doses (CO3,in = 3.7 mg L−1), in the initial instants, the ozone concentration in the
gaseous phase is practically zero (UO3 = 100%). This indicates that the process is controlled by the mass
transfer. However, after 4 min it changes to be controlled by the chemical reaction, once CO3,L starts
rising. For resolution of the TOC removal kinetics, the calculation tool Scilab® was used, with which
the corresponding adjustment to the experimental data was simulated to obtain the adsorption
and ozonation kinetics constants during the removal of aniline with the previous determination of
equilibrium adsorption constants. As for the initial conditions of the dependent variables involved in
the differential equation, at the initial time, an aniline concentration of 20.0 mg L−1 was considered,
corresponding to an initial TOC concentration of Cp,0 = 12.50 mg L−1 and the TiO2/GAC free of aniline
or other organics (Zp,0 = 0.0 mg g−1). C∗p vs. t modelled profiles were fitted to the experimental ones
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(of N values), in order to minimize the weighted standard deviation, σ, given by Equation (10). Thus,
the estimated values of kads, koxL, and koxS are listed in Table 3 [42]:

σ =

√√√√√√ N∑
i=1

(
(Cp−C∗p)

Cp

)2

N − 1
(10)

Table 3. Summary of the adsorption and oxidation kinetic constants for the mineralization of wastewater
containing aniline using Norit® GAC 1240 Plus and TiO2/GAC composite by catalytic ozonation.

Catalyst Comparison

Kinetic Parameter Norit® GAC 1240 Plus 1,2 TiO2/GAC 1,2

kads × 10−4, g mg−1 min−1 2.4 3.5
koxL × 101, min−1 8.1 5.9
koxS × 101, min−1 0.0030 2.3

σ 0.050 0.046

TiO2/GAC Composite Analysis

Kinetic Parameter
Effect of pH

3.0 5.0 7.0 9.0

kads × 10−4, g mg−1 min−1 3.6 3.1 2.9 2.5
koxL × 101, min−1 3.4 6.5 8.3 8.6
koxS × 101, min−1 0.20 1.1 1.2 0.90

σ 0.061 0.053 0.059 0.048

Kinetic Parameter
Effect of Ozone Inlet Concentration, mg L−1

3.7 5.4 11.3 20.1

kads × 10−4, g mg−1 min−1 3.2 3.5 2.9 1.8
koxL × 101, min−1 4.2 5.9 8.3 11.5
koxS × 101, min−1 1.5 2.3 1.2 0.50

σ 0.052 0.046 0.057 0.045

Kinetic Parameter
Effect of Catalyst Dose, g L−1

1.6 3.3 6.6 13.3

kads × 10−4, g mg-1 min−1 1.8 3.5 4.4 8.4
koxL × 101, min−1 3.8 5.9 2.2 1.0
koxS × 101, min−1 1.9 2.3 1.5 0.90

σ 0.054 0.046 0.055 0.052
1 Experimental conditions: QG = 4 L min−1; CO3 ,in = 5.4 mg L−1; pH0 = 7.0; MCAT = 3.3 g L−1; T = 18.0 ◦C; P = 1 atm;
Vreac = 1.5 L; (Agitation) = 60 rpm. 2 Freundlich equilibrium parameters: KF = 33.07 (mg g−1)(L mg−1)1/n, n = 2.39 for
Norit® GAC 1240 Plus and KF = 44.02 (mg g−1)(L mg−1)1/n, n = 3.97 for TiO2/GAC composite.

The Freundlich parameters of the catalytic materials tested are given in Table 3, which were
obtained experimentally in the previous adsorption tests. The Cp values had an acceptable fit to the
Ad/Ox model with a weighted standard deviation of σ � 0.05 for the mineralization kinetics.

In Table 3 it was observed that the koxS constant was lower than koxL. This is because in the
solid involved an oxidation reaction in conjunction with the adsorption phenomena in parallel.
From the comparison of the catalytic ozonation with Norit® GAC 1240 Plus activated carbon and
TiO2/GAC composite, it can be seen that the TiO2/GAC catalysts kinetically favour adsorption,
with kads = 3.5 × 10−4 g mg−1 min−1, compared to commercial carbon (kads = 2.4 × 10−4 g mg−1 min−1).
Its higher adsorption capacity, rather than the specific surface (SEXT = 298.9 m2 g−1)—which is very
similar to that of commercial activated carbon (SEXT = 224.4 m2 g−1)—explains this behaviour, despite
the fact that TiO2/GAC has a 25% larger external surface, as seen in the Material and Methods
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section [43]. The adsorption properties of metal oxides, such as TiO2, deposited onto GAC, appear to
also enhance the catalytic activity. Other authors [37,44] have highlighted that metal oxides have a
high adsorption capacity, which is due to ligand exchange reactions that provide strong bonds between
the ionized species and the active site of the metal oxide surface. The increase in the oxidation kinetic
constant in the solid, from a value of koxS = 0.003 × 101 to 2.3 × 101 min−1, in the TiO2/GAC composite
is remarkable. This increase is due to the contribution of TiO2 in the activated carbon, improving
its reactivity and the number of active sites on the catalyst. The deposited TiO2 is responsible for
efficiently decomposing the ozone, producing HO• radicals. Other properties, such as pore volume,
porosity, pore size distribution, and, particularly, the presence of active sites on the surface (e.g., Lewis
acid sites, which are responsible for the catalytic reactions), may be responsible for this increase in
koxS [45]. Acidity or basicity, for example, is key to surface properties. Furthermore, the hydroxyl
groups, which are present on all surfaces of the metal oxides, are dependent on the deposited metal
oxide [39]. Valdés and Vega [45] studied the effect of the chemical structure of various active carbons
on the catalytic activity for the generation of hydroxyl radicals, where they suggested that the presence
of iron metal ions played an important role in the decomposition of ozone and hydrogen peroxide
towards the generation of radicals. Those carbons with more basic surface functionalities led to a
higher radical generation and, consequently, to a higher catalytic activity.

Authors such as Orge et al. [46] and Kasprzyk-Hordern et al. [38] have suggested that the variability
of surface properties and interactions between the catalyst and ozone with organic pollutants results
in different reaction mechanisms, derived from two main types: Langmuir–Hinshelwood (LH) or
modified Eley–Rideal (ER).

The LH stage consists of adsorption, surface reaction, and subsequent desorption [28]:
Adsorption of ozone onto every site, S, of GAC surface:

O3 + S
KLH1
� O = O−O− S (11)

O = O−O− S
kLH2
→ O− S + O2 (12)

Adsorption of aniline:

C6H5NH2 + S
KLH3
� C6H5NH2 − S (13)

Surface reaction and desorption of oxidation products:

21
2

O− S + C6H5NH2 − S
kLH4
→ NO−3 +2CO2 +

7
2

H2O + 2S (14)

The other mechanism (modified ER), proposed by Beltran et al. [44], is specific for metal oxides
supported on activated carbon materials and consists of an adsorption stage on the GAC, together
with the assumptions of the modified ER mechanism. In this case, these stages are: (i) the adsorption
of aniline onto the TiO2/GAC composite, (ii) the reaction stage between the adsorbed aniline and the
ozone, and (iii) the irreversible ozonation reaction of adsorbed pollutant.

Adsorption of aniline on the GAC active sites:

C6H5NH2 + S
KER1
� C6H5NH2 − S (15)

Adsorption of aniline on the TiO2 active sites:

C6H5NH2 + S
′

KER2
� C6H5NH2 − S

′

(16)

where S’ represents any active site on the TiO2.
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Reaction between ozone and adsorbed aniline on TiO2 active sites:

41
2

O3 + C6H5NH2 − S
′ kER3
→ 6CO2 +

7
2

H2O + O2+NO−3 + S
′

(17)

In this last mechanism, it was assumed that the CO2 generated corresponds to that resulting
from complete mineralization. Overall, it can be concluded that the removal of aniline is due to an
adsorption process on the GAC and to the catalytic ozonation itself, which takes place in the active
centres of the TiO2 metal oxide. Based on the values of the koxS and koxL constants obtained from
the three-phase model, it is possible to qualitatively determine the predominant mechanism (LH or
modified ER). An intensification of the koxS constant due to the presence of TiO2 metal oxide against the
koxL constant indicates the predominance of the modified ER mechanism. In contrast, negligible values
of the koxS constant compared to the koxL constant indicate the predominance of the LH mechanism.
Taking into account the mechanical aspects of the reaction system, the effect of operational variables,
such as pH, ozone dosage, and TiO2/GAC catalyst loading were analysed.

Regarding the effect of pH, due to the surface properties of the composite, it was observed that the
adsorption constant increased under more acidic pH values, while under alkaline pH values, the quantity
of aniline removed decreased. This is due to the speciation of the aniline, with pKa = 4.61 [47], and the
character of the surface of the composite through the zero loading point (pHpzc = 6.4). The TiO2/GAC
composite, at a pH below 6.4, develops a negative charge on its surface; below pH = 4.61, it will mostly
be in ionic form, favouring adsorption. On the other hand, under alkaline pH, the affinity between
the aniline and the surface of the material is weak and adsorption is limited. Similarly, Shahamat et
al. [48], in a catalytic ozonation process in which a carbon nanocomposite was used for the removal of
phenol, observed the same behaviour at a pH between pHpzc and pKa. The oxidation constant in the
liquid, koxL, increased from a value of 3.4 × 101 to 8.6 × 101 min−1, due to the fact that, under alkaline
conditions, the radical pathway in which ozone directly attacks the OH– generating radicals HO• is
favoured, according to [49]:

O3 + OH− → O•−3 + HO•, (18)

O•−3 → O• + O2, (19)

O•− + H+
→ HO• (20)

As for koxS, the maximum value observed was 1.2 × 101 min−1 at pH = 7.0. This increase was
due to the contribution that TiO2 metal oxide provides to the GAC, thus improving the capacity of
transforming ozone into hydroxyl radicals. According to Roshani et al. [50], the surface charge and
the capacity of the TiO2/GAC composite to transfer electrons to the ozone are factors that affect the
elimination of TOC. Operating at a pH of 7.0, favourable conditions allow for a positive interaction
between the ozone and TiO2 metal oxide, which allows for the decomposition of ozone and, thus,
the generation of a greater number of HO• radicals in sufficient quantity to oxidize the organic
compounds adsorbed on the surface of the GAC. According to Nawrocki and Kasprzyk-Hordernb [51],
considering the type of radicals formed on TiO2 nanoparticles in the presence of ozone, it was concluded
that catalytic ozonation was more effective at a pH close to pHpzc. Under these conditions, the presence
of neutral hydroxyls are responsible for the formation of the hydroxyl radical.

For the effect of the ozone dose, it was observed that the use of a low ozone dose
(CO3,in = 3.7 mg L−1) led to a mineralization yield of 69%, as the amount of hydroxyl radicals generated
was low. Taking into account the distribution of the kinetic constants obtained (Table 3), when the dose
is insufficient, the adsorbent effect is enhanced but not the oxidation of the organic pollutant. On the
other hand, with a high dose (CO3,in = 20.1 mg L−1), ozone accumulates in the system, favouring the
generation of the less reactive perhydroxyl radical (HO2

•), according to [49]:

O3 + HO• → O2 + HO•2 (21)
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It seems evident that moderate concentrations favour the adsorption kinetics and result in a
sufficient generation of hydroxyl radicals on the surface of the catalyst. A dose of 5.4 mg L−1 ensures
that the aniline is adsorbed rapidly over the GAC (kads = 3.5 × 10−4 g mg−1 min−1) and, at the
same time, maximizes oxidation at the solid level (koxS = 2.3 × 101 min−1), where TiO2 plays an
important role. The action of ozone on the adsorbed aniline, according to the modified ER mechanism
(see Equation (17)), appears to be the dominant mechanism in this case and responsible for the high
koxS value.

Concerning the effect of catalyst loading, it was observed that, by increasing the dose from 1.6 to
13.3 g, the adsorption constant increased from 1.8 × 10−4 to 8.4 × 10−4 g mg−1 min−1. A higher quantity
of adsorbed organics and ozone is to be expected when increasing the amount of catalyst but does
not result in further destruction of the aniline. It can be observed that high doses of catalyst lead to a
predominance of surface oxidation reactions, as a result of increased TiO2/GAC active sites and an
increased amount of adsorbed contaminant [36]. However, the most favourable values were produced
with an intermediate amount of catalyst (koxS = 2.3× 101 min−1). The negative effect became increasingly
evident as the amount of catalyst increased, which was related to a change in the mechanism of the
oxidation processes at the solid level. According to the assumption made in Section 3.1.3, a transition
from the modified ER to the LH mechanism should take place. In effect, with small amounts of catalyst,
a moderate amount of contaminants was adsorbed—preferably on TiO2—through non-associated
hydroxyl groups [52] or S’ sites (Equation (17)) with favourable incidence in the increase of koxS and
consequently in the degradation of the contaminant. An increase in the amount of catalyst led to
a greater proportion of the contaminant being adsorbed, resulting in the occupation of S sites and
participation of slow rate reactions (such as that shown in Equation (14)), with a subsequent decrease in
koxS. A decrease in the degradation of the aniline at the liquid phase as koxL = 1.0 × 101 min−1 decreased
and the lower proportion of contaminant in the liquid were other negative effects associated with an
increase in the amount of catalyst [38]. Moderate amounts of catalyst (3.3 g L−1) favoured oxidation at
the solid and liquid level, obtaining the highest mineralization (80% TOC removal) in 45 min.

3.2. Physicochemical Surface Characterization of Spent-Granular Activated Carbon

In order to verify the lower generation of hydroxyl radicals when a high catalyst dose was used
and that the aniline would be oxidized under very poor oxidation conditions, an analysis of the
physicochemical properties of the TiO2/GAC composite used was carried out, as shown in Table 4.

Table 4 shows a decrease of the specific surface of the TiO2/GAC composite of the experiment
performed with a catalyst load of 13.3 g L−1 from 985.0 to 901.2 m2 g−1. The pore volume was also
reduced, but the physical properties were practically unchanged with a catalyst dose of 3.3 g L−1.
Considering the importance of the adsorption stages contemplated in the Ad/Ox model, the necessary
equilibrium of reactions at the liquid and solid level should not be broken. This balance is broken
when the catalyst dose is increased, with negative effects on the degradation of the contaminant being
key in the optimization of the process.

Concerning the chemical properties (e.g., the point of zero charge), ozone appeared to affect them
by a small amount. The carbonaceous support lost active basic sites while the concentration of the
acidic functional groups increased, leading to a reduction in adsorption capacity over long periods [53].
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Table 4. Physicochemical properties of pristine and spent TiO2/GAC in aniline ozonation with different
catalyst doses. Experimental conditions: QG = 4 L min−1; CO3,in = 5.4 mg L−1; pH = 7.0; T = 18.0 ◦C;
P = 1 atm; Vreac = 1.5 L; (Agitation) = 60 rpm.

Property Pristine TiO2/GAC
Spent TiO2/GAC

MCAT = 3.3 g L−1 MCAT = 13.3 g L−1

SBET, m2 g−1 985.0 980.4 901.2
Sext, m2 g−1 298.9 289.1 267.5
VT, cm3 g−1 0.45 0.39 0.32
Vµ, cm3 g−1 0.29 0.25 0.20
VM, cm3 g−1 0.16 0.14 0.12

VM/VT, % 35.2 35.9 37.5
Vµ/VT, % 64.8 64.1 62.5

DP, Å 33.9 33.0 29.3
pHpzc 6.4 6.2 6.3

Moreover, Figure 4 shows FTIR spectra of the non-ozonized and ozonized TiO2/GAC catalyst
using a 13.3 g L−1 load, in order to confirm the presence of compounds that verify the previous
hypothesis. According to Figure 4, it was observed that most of the spectral bands corresponded to
organic compounds, highlighting the band from 3300 to 3500 cm−1 (–OH stretching), which is due to
the presence of water in the sample during preparation. The 500 cm−1 spectral band (Ti–O stretching)
corresponded to the presence of TiO2 deposited on the GAC [54]. The main spectral modifications,
when comparing the sample of the non-ozonized composite and the ozonized one, were detected in
the emergence of the 790 cm−1 band. The accumulation of intermediate species, such as oxamic acid,
and subsequent sorption in the solid explain this FTIR sorption band [55]. The peak near to 2800 cm−1

would correspond to aldehyde groups, such as formaldehyde or acetaldehyde, and strongly depended
on the ozone dose, adsorbed on the catalyst due to the opening of the aromatic ring [56], while another
band at 1102 cm−1 was due to the superoxide radical [57].

Figure 4. FTIR spectra of pristine and spent TiO2/GAC composite in the aniline catalytic ozonation.
Experimental conditions: QG = 4 L min−1; CO3,in = 5.4 mg L−1; pH = 7.0; MCAT = 13.3 g L−1; T = 18.0 ◦C;
P = 1 atm; Vreac = 1.5 L; (Agitation) = 60 rpm.

3.3. Degradation Pathway Approach

In order to provide more detail on the types of intermediates formed when increasing the
dose of catalyst, other physical–chemical parameters, such as turbidity, were analysed. In Figure 5,
the effect of the catalyst dose on turbidity is shown. Solid particles or high molecular weight insoluble
degradation products usually cause turbidity [58]. The experiment with the highest amount of catalyst
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(13.3 g L−1 TiO2/GAC catalyst), with an ozone dose of 5.4 mg L−1 and a neutral pH, led to the highest
turbidity, with a turbidity of 17 NTU after a reaction time of 45 min. However, with a catalyst
dose of 3.3 g L−1, the lowest turbidity was produced, corresponding to the highest mineralization
observed. Consequently, the higher turbidity could be associated with the formation of more recalcitrant
intermediate products.

Figure 5. Effect of TiO2/GAC catalyst dosage on turbidity during catalytic ozonation of aniline
containing wastewater. Experimental conditions: QG = 4 L min−1; CO3,in = 5.4 mg L−1; pH = 7.0;
T = 18.0 ◦C; P = 1 atm; Vreac = 1.5 L; (Agitation) = 60 rpm.

Orge et al. [22] have highlighted oxalic and oxamic acid among the reaction products of aniline
with the highest resistance to degradation. Figure 6 shows the results obtained from the identification
of aniline, oxamic acid, and oxalic acid at the initial time, after decomposition of the aniline (≈5 min),
and after a sufficiently long reaction time. Figure 6d shows the chromatogram obtained at zero time
(peak 1) with a retention time of 8.21 min, which was assigned to aniline. After the catalytic ozonation
reaction had progressed for 5 min, the peak of the aniline (1) decreased but others appeared, which
persisted until sufficiently long reaction times (30–40 min). The mass spectra of the identified peaks are
shown in Figure 6a–c. These peaks were assigned to oxalic (2, 1.80 min) and oxamic acid (3, 2.65 min),
corresponding to two degradation intermediates formed during the ozonation of the ozone aniline [59].

Oxalic acid under conditions of low hydroxyl radical generation as well as its conjugate base
are stable degradation intermediates for a wide variety of organic contaminants, such as pesticides.
The accumulation of this refractory compound in the reaction system is due to its very low oxidation
constant (k < 0.04 M−1 s−1 at pH values above 5.0), compared to that of other aniline oxidation products
such as hydroquinone (k = 2.3 × 106 M−1 s−1 at pH = 7.0) [33,60]. On the other hand, oxamic acid is
another compound present in the degradation of aniline that, under poor oxidation conditions, shows
high refractoriness to ozonation [61].
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Figure 6. Analysis of some by-products formed during the TiO2/GAC ozonation of aniline: (a–c)
mass spectrometry (MS) of the aniline at different ozonation times, (d) liquid chromatography (LC)
of the aniline and representative ozonation by-products, and (e,f) effect of catalyst dosage on the
evolution of oxalic and oxamic acid during ozonation. Experimental conditions: QG = 4 L min−1;
CO3,in = 5.4 mg L−1; pH = 7.0; T = 18.0 ◦C; P = 1 atm; Vreac = 1.5 L; (Agitation) = 60 rpm.

Figure 6e,f show the evolution of the concentration of oxamic and oxalic acid for different doses of
catalyst. For both acids and for all doses of catalyst studied, a continuous increase corresponding to the
accumulation phenomenon was observed during the first 5 min. Then, coinciding with the primary
degradation of the aniline (Figure 3e), a maximum was reached, which was higher with an increased
catalyst dose. The increase in turbidity observed in Figure 5 at any catalyst dose studied is coincident
with that of both acids. The relationship between oxalic acid and turbidity is evident, as well as the
amount associated with the mechanism change from modified ER to LH. A Langmuir–Hinshelwood
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(LH) type oxidative mechanism was dominant, with high amounts of TiO2/GAC (6.6 or 13.3 g L−1),
promoting oxidation products such as oxalic acid [22]. Concerning the evolution of oxamic acid,
the initial accumulation was slower, reaching its maximum 7 min later than that observed for oxalic
acid. Unlike oxalic acid, oxamic acid could not be removed, explaining the flat tailing observed in
the TOC profiles in Figure 3f. In these cases, the hypothesis of a dominant reactive mechanism of
type LH at the surface with very low reaction rate (koxS) seems evident. This situation also led to
the high occupation of active centres with a decrease in the radical concentration in the liquid and
subsequent decrease in koxL. Authors such as Faria et al. [61] have reported a similar result during the
removal of oxalic and oxamic acid via catalytic ozonation using active carbon. Furthermore, it has
been reported that, at neutral pH, oxamic acid is mainly present as a zwitterion (–OOC—CONH3+),
which is highly hydrophilic and stable in water. The C–H bonds explain its low reactivity towards
hydroxyl radicals, and although it is possible to mineralize it completely (according to Legube and
Leitner [14]), it requires a hydroxyl radical concentration approximately 100 times higher than that
needed for other organic compounds with the same functional group. Thus, the persistence of oxamic
acid in the liquid phase can explain the observed turbidity increase.

Due to the catalytic ozonation process in which the aniline was degraded, some degradation
intermediates were formed. Using liquid chromatography (LC), higher concentration degradation
products, such as nitrobenzene, phenol, catechol, o-benzoquinone, 1,2,3-benzenetriol, p-benzoquinone,
and muconic acid, were detected excluding oxamic and oxalic acid. Other organic compounds,
which were detected at lower concentrations, could not be identified. In this section, only the first
intermediates (C6) are included, in an attempt to determine the beginning of the first degradation routes.
Many of these degradation products showed up in the solution within the first 5 min, through the
change from a non-coloured solution to another with reddish, brown, and yellow colouring [6,62,63].
In Figure 7, three cases with the same mass of TiO2/GAC (3.3 g L−1) were selected, representative of
the different experimental conditions studied. Among them, an adverse situation was selected with
a low generation of hydroxyl radicals at pH = 3.0, as well as another with an excess of oxidant of
20.1 mg L−1—which was ineffective due to the low mineralization achieved—and, finally, with the
favourable conditions indicated in the previous section. For additional information, Figures S3 and S4
show the concentrations of each intermediate in terms of TOC. In Figure S4c, it can be observed that
the amount of unknown TOC after 5 min of reaction was 5.9 mg L−1.

According to Figure 7, the two possible degradation routes can be differentiated, according to the
involvement of the direct and radical ozone pathways. In addition, it was observed that the rupture of
the aniline molecule occurred in the bond between the benzene ring and the amino group (—NH2).
Other authors, such as Villota et al. [64] and Von Sonntag and Von Gunten [33], have also observed this
same rupture.

In Figure 7a, it can be observed that the direct attack of ozone could be responsible for the high
selectivity towards the formation of dihydroxy aromatic rings, such as catechol or 1,2,4-benzenetriol,
through ortho-, meta-, and para-substituted oxidation pathways and electrophilic substitutions [65].
However, the carboxylic acids or muconic acid detected later (after about 10 min of reaction) were
more refractory to direct ozone attack, which explains the 40% mineralization observed after a reaction
time of 20 min [66].

However, the results in Figure 7b show a different behaviour, in which the aniline was degraded
by another mechanism—attributed to the radical pathway. In this case, we note the presence of
nitrobenzene. According to Brillas et al. and Tolosana-Moranchel et al. [67,68], the presence of
nitrobenzene could be due to the high selectivity of the hydroperoxyl radical, compared with the
hydroxyl radical, to the amino group, which strongly favours its conversion to a nitro group. Despite
the last point, considering the radical species generated from direct interaction with TiO2/GAC,
Sanchez et al. [69] suggested that the hydroxyl radical is responsible for abstracting hydrogen from
the amino group and then substituting it with an iminium radical, thus generating nitrobenzene.
The generation of nitrobenzene could explain the low reactivity and inefficiency observed when using
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a high dose of ozone. With respect to the presence of phenol or p-benzoquinone, Commninellis and
Pulgarin [70] attributed it to hydroxylation reactions of these benzene structures with hydroxyl groups.
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Figure 7. Analysis of the main intermediates in the aniline catalytic ozonation with TiO2/GAC excluding
oxalic and oxamic acid in different cases: (a) molecular attack of ozone at pH = 3.0, (b) ozone in
excess and dominance of radicalary attack (pH = 7.0 and ozone dose of 20.1 mg L−1), and (c) most
favourable conditions (pH = 7.0, 5.4 mg L−1 ozone concentration) or combined molecular radicalary
attack. Experimental conditions: QG = 4 L min−1; MCAT = 3.3 g L−1; T = 18.0 ◦C; P = 1 atm; Vreac = 1.5 L;
(Agitation) = 60 rpm.

In Figure 7c, an overlap of both radical and molecular pathways can be observed, which is
consistent with the kinetic parameters obtained from the Ad/Ox model, where an equilibrium situation
was observed between oxidation in the liquid and on the surface of the solid through adsorption.
The results obtained in the analyses carried out allow us to propose the mechanism of aniline
degradation shown in Figure 8.
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Figure 8. Oxidation pathway proposed for aniline oxidation via catalytic ozonation with
TiO2/GAC composites.

4. Conclusions

A three-phase mathematical model reaction (Ad/Ox) was proposed that describes the stages of
G–L transfer, adsorption, and oxidation in the liquid and on the surface of the catalyst, in order to
study catalytic ozonation using TiO2/GAC composites. The model was verified using experimental
aniline ozonation results. Despite the wide variety of conditions studied, the model provided a good
fit to the experimental data, obtaining a weighted standard deviation lower than 0.05 in all cases.
The model has been applied to evaluate the effect of the main operational variables on the G-L mass
transfer. The analysis resulted in KLa values of 0.18 min−1 at neutral pH, with no significance of other
process conditions and no effect on the overall process rate (chemical reaction control).

Catalytic oxidation using commercial activated carbons, such as Norit®GAC 1240 Plus, was proved
to occur through a Langmuir–Hinshelwood mechanism with preferential oxidation in the liquid
phase. With the TiO2/GAC composite, the estimated oxidation constants—in the liquid and in the
solid—suggest a modified Eley–Rideal type mechanism, obtaining 80.2% mineralization in the most
favourable conditions. Estimation of the oxidation constants allowed us to deduce that ozone acts
mainly in the liquid at acidic pH, whereas under basic pH values, oxidation happens either on the
solid or in the liquid. The use of high doses of ozone limits the kinetics and adsorption capacity of
aniline and its degradation oxidation products, with oxidation in the liquid being the principal route
of degradation. On the other hand, at moderate ozone doses, a greater role of the adsorption and
oxidation mechanisms of the TiO2 deposited in the GAC was observed. An excess in the catalyst load
was ineffective and led to an increase in turbidity by inducing degradation pathways that ended with
oxidation products such as oxalic acid and, especially, oxamic acid. Finally, the model allowed us
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to analyse the significance of the different stages involved in the catalytic ozonation. Additionally,
the most favourable operating conditions for the potentiation of the TiO2 deposited on the GAC were
found (pH = 7.0, 5.4 mg L−1 ozone dose, and 3.3 g L−1 catalyst load). TiO2 contributed to a greater
capacity of the material to adsorb the pollutant and subsequent predisposition to be attacked by the
ozone through the hydroxyl radicals generated on its surface. From the identification and analysis
of the degradation intermediates, two possible routes—which occur simultaneously under the most
favourable conditions mentioned above—were proposed. This model could be applied at an industrial
level with new catalysts for the prediction of operating behaviour under different working conditions.

Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4441/12/12/3448/s1,
Figure S1: Utilization efficiencies of ozone in a TiO2/GAC catalytic system at different pHs, Figure S2: Effect of
the ozone dose on the control stage during catalytic ozonation of aniline with the TiO2/GAC catalyst, Figure S3:
Analysis of some by-products formed during the TiO2/GAC ozonation of aniline in terms of TOC, Figure S4:
Analysis of the main intermediates in the aniline catalytic ozonation with TiO2/GAC in terms of TOC, excluding
oxalic and oxamic acid in different cases.
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Nomenclature

σ Weighted standard deviation
C∗O3,L Concentration of ozone in the equilibrium with the ozone adsorbed on the activated carbon, mg L−1

C∗O3,S Concentration of ozone on the catalyst in equilibrium with the liquid ozone concentration, mg L−1

C∗p Calculate pollutant concentration in the liquid in terms of total organic carbon, mg L−1

CN Concentration degradation products, mg L−1

CO3,in Concentrations of ozone in the gas phase at the inlet, mg L−1

CO3,L Ozone concentration in liquid, mg L−1

CO3,out Concentration of ozone in the gas phase at the outlet, mg L−1

COH
− Concentration of hydroxyl ions, mol L−1

Cp Pollutant concentration in the liquid in terms of total organic carbon, mg L−1

He Henry’s constant, bar L mg−1

kads Kinetic constant of aniline adsorption, g mg-1 min−1

kc,L Elemental kinetic constant for the ozonation in the liquid, L mg−1 min−1

kc,S Elemental kinetic constant for the ozonation in the solid, L mg−1 min−1

KF Freundlich constant, (mg g−1) (L mg−1)1/nF

KGa Overall mass transfer coefficient of ozone gas to water, min−1

KLa Volumetric ozone mass transfer coefficient, min−1

koxL Apparent first-order kinetic constant in the liquid in terms of TOC, min−1

koxS Apparent first-order kinetic constant over the catalyst in terms of TOC, min−1

m Slope of the equilibrium line between the liquid and solid phase
MCAT Concentration of catalyst, g L−1

n Heterogeneity factor, dimensionless
N Number of experimental values
NII

O3 Ozone consumption in the solid, mg L−1 min−1

NI
O3 Ozone consumption in the liquid, mg L−1 min−1
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NO3 Whole ozone consumption, mg L−1 min−1

P∗O3
Partial pressure of the ozone in equilibrium with the adsorbed ozone on the solid, bar

PO3 Partial pressure of ozone in the gas phase, bar
QG Ozone gas flow, L min−1

rII
p Degradation of the pollutant on the activated carbon, mg L−1 min−1

rI
p Degradation of the pollutant in the liquid, mg L−1 min−1

T Temperature, K
t Time, min
UO3 Utilization coefficient, %
Vreac Volume of dissolution, L
zI Amount of pollutant consumed in the liquid, mg TOC mg−1 O3
zII Amount of pollutant consumed on the catalyst, mg TOC mg−1 O3
Zp Concentration of pollutant in the solid, mg g−1

Zp,∞ Amount of pollutant adsorbed in the solid in equilibrium, mg g−1
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Analysis of ultrasonic pre-treatment for the ozonation of humic acids 
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A B S T R A C T   

This paper presents an intensification study of an ozonation process through an ultrasonic pre-treatment for the 
elimination of humic substances in water and thus, improve the quality of water treatment systems for human 
consumption. Humic acids were used as representative of natural organic matter in real waters which present low 
biodegradability and a high potential for trihalomethane formation. Ultrasonic frequency (98 kHz, 300 kHz and 
1 MHz), power (10–40 W) and sonicated volume (150–400 mL) was varied to assess the efficiency of the ul-
trasonic pre-treatment in the subsequent ozonation process. A direct link between hydroxyl radical (HO•) for-
mation and fluorescence reduction was observed during sonication pre-treatment, peaking at 300 kHz and 
maximum power density. Ultrasound, however, did not reduce total organic carbon (TOC). Injected ozone (O3) 
dose and reaction time were also evaluated during the ozonation treatment. With 300 kHz and 40 W ultrasonic 
pre-treatment and the subsequent ozonation step (7.4 mg O3/Lgas), TOC was reduced from 21 mg/L to 13.5 mg/L 
(36% reduction). HO• attack seems to be the main degradation mechanism during ozonation. A strong reduction 
in colour (85%) and SUVA254 (70%) was also measured. Moreover, changes in the chemical structure of the 
macromolecule were observed that led to the formation of oxidation by-products of lower molecular weight.   

1. Introduction 

Humic acids (HAs) are naturally occurring high molecular weight 
compounds easily found in natural water bodies. They are the main 
component of organic matter in natural waters and responsible for 
colour (yellow to black). These compounds are difficult to mineralise 
completely as HAs tend to be refractory and possess low biodegrad-
ability. Additionally, HAs can act as trihalomethane precursors [1]. The 
effects of ultrasonication on HAs have been studied in the literature, 
showing a potential for humic acid (HA) degradation (change in mo-
lecular structure), as well as an increase in biodegradability. 

At low frequencies (20 kHz), changes in UV absorption of HA sam-
ples have been reported [2]. According to the authors, sonication could 
have induced alterations in the molecular structure of HAs. With an 
initial TOC concentration of 18.6 mg/L (equivalent to 50 mg HA/L) and 
50 mg NaOCl/L, a TOC removal of 26.5% was reported after 120 min of 
treatment at 20 kHz [3]. Similar reactions have been measured at higher 
frequencies (200 kHz), e.g. a change in UV absorption and a reduction in 
the molecular weight of HAs [4]. Chen et al. [5] employed two different 

ultrasonic reactors for the treatment of synthetic HA solutions (22.5 mg/ 
L initial TOC): a 20 kHz horn and a 354 kHz transducer. 354 kHz reactor 
performed better in the reduction of TOC, achieving a TOC of 20.4 mg/L 
after 4 h of treatment. No TOC removal was observed with 20 kHz. The 
authors mentioned that even though TOC was not significantly reduced, 
the reduction in colour, as well as in SUVA254 (specific ultraviolet 
absorbance at 254 nm where the aromatic nature of the solution is 
normalised over the total organic load [6]) would be translated into a 
change in molecular structure (destruction of aromatic rings, conjugated 
double bonds, etc.). Although different applied frequencies and power 
densities have been reported, variations in sonication equipment and 
reactor design makes it difficult to compare different studies to obtain a 
reliable conclusion on the best parameters for HA removal with ultra-
sound. Considering chemical and physical effects produced by ultra-
sound vary significantly depending on the applied frequency, power and 
sonication system [7–9], there is a need for a thorough study on the 
influence of these parameters on the degradation of HAs. 

Ozone (O3) has also been employed for the treatment of HAs. With an 
initial TOC concentration of 100 mg/L and an O3 saturated solution at 
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0.46 mol/m3, TOC removal increased from 50% to 80% when treatment 
time was increased from 30 min to 5 h [10]. A complete mineralisation 
was difficult to reach considering refractory compounds were formed 
during ozonation. Besides TOC, O3 can significantly reduce the molec-
ular size distribution, colour436 and UV254 of HAs [11,12], as well as 
increase its biodegradability [11,13]. The authors, however, concluded 
that ozonation alone is insufficient to treat humic water [13]. 

The combination of O3 and ultrasound to effectively treat HA has 
also been studied in the literature. Olson and Barbier [14] coupled ul-
trasound (20 kHz horn) and O3 to treat a purified fulvic acid fraction of 
synthetic HA solution (10 mg/L initial TOC). Ultrasound alone had no 
effect on the absorbance of fulvic acid at 200 and 340 nm, whereas 
combined with O3 the rate of decolouration (230 nm) increased. In 
regards to TOC, ultrasound alone did not mineralise carbon. When O3 
was applied and during the first 10 min of treatment, the same oxidation 
rate of TOC was observed between O3 alone and the combined setup. 
Increasing treatment time in the coupled system induced a significant 
enhancement in TOC removal. According to the authors, pyrolysis 
mechanisms would explain the increase in O3 decomposition rate due to 
ultrasound. Weavers et al. [15,16] stated that when O3 is combined with 
ultrasound, an increase in O3 mass transfer is observed due to the tur-
bulence produced by acoustic streaming. Stepniak et al. [17] also used 
ultrasound and O3 to treat synthetic HA solutions of 10, 15 and 20 mg 
HA/L. A 24 kHz ultrasonic horn with a maximum effective power of 300 
W was used for sonication experiments. Two different configurations 
were employed when combining O3 and ultrasound. In the first 
configuration, O3 was first applied to the HA solution (3 mg O3/L for 3 
min) and sonicated later on in a subsequent step (10 min) reaching a 
TOC removal of 25.3%. The second configuration combined O3 and 
ultrasound simultaneously for 10 min. The study reported no synergy 
when ultrasound and O3 were applied simultaneously (second configu-
ration), showing a slight increase in TOC removal to 28.8% with the 
coupled system. Chemical modification of aromatic structures of HAs 
were reported in the combined configurations. An increase in treatment 
time and increasing injected O3 dose from 1 to 3 and 5 mg/L led to a 
higher removal of TOC for the coupled system. 

Considering the above, the potential impact from the pre-treatment 
using ultrasound in a subsequent treatment process (i.e. ozonation) 
has not been investigated in the literature. Therefore, this research 
article presents a thorough study on the effect of an ultrasonic pre- 
treatment in a subsequent ozonation step for the treatment of HAs in 
waters intended for human consumption. 

2. Materials and methods 

2.1. Chemicals 

HA (CASRN: 1415–93-6, Sigma-Aldrich, technical), sulfuric acid 
(H2SO4, Sigma-Aldrich, 98%), sodium hydroxide (NaOH, Panreac, 0.25 
M), potassium iodide (KI, Panreac, 99%), sodium phosphate monobasic 
(H2O4PNa⋅H2O, Fisher, 98%) and sodium phosphate dibasic heptahy-
drate (HNa2O4P⋅H2O, Fisher, 99%) were used as received. Deionised 
water was supplied by a Milli-Q® water purification unit supplied by 
Merck. 

2.2. Experimental procedure 

HA sample preparation was carried out as follows: 100 mg HA were 
mixed with 2 L deionised water (50 mg HA/L) and dissolved by 
increasing the pH to 11 with 0.25 M NaOH. The dissolution was then 
stirred for 30 min at 400 rpm. Prior to sonication experiments, pH was 
reduced to 7 with 0.1 M H2SO4. Elemental analysis (CHONS), fluores-
cence, 13C NMR, FTIR and HPSEC spectrum of the employed HAs are 
shown in supplementary information (Fig. S1). 

Sonication pre-treatment experiments (Fig. 1a) were carried out in a 
jacketed cylindrical glass vessel (15 cm height and 6.7 cm inner 

diameter). The ultrasonic transducer (Honda Electronics Co. LTD) was 
placed at the bottom of the vessel and powered by a power amplifier 
(T&C Power Conversion AG1006). Three different frequencies (98 kHz, 
300 kHz and 1 MHz) at four different applied powers (10, 20, 30 and 40 
W) were employed, varying sample volume from 150 mL to 400 mL. HA 
samples (50 mg HA/L) were sonicated for 10, 20 and 30 min. pH and 
temperature were continuously monitored (model GLP 22 from Crison) 
before and after pre-sonication experiments. When needed, pH was 
adjusted to 7 prior to ozonation. 

Sonicated effluent was further treated with O3 (Fig. 1b) in a 2 L cy-
lindrical glass reactor previously described [18]. Two O3 diffusers and a 
magnetic stirrer were placed at the bottom of the reactor, maintaining a 
constant injection gas flowrate (4.76 L/min) and mixing speed (60 rpm). 
O3 was generated in-situ by the Triogen Lab2B generator from extra pure 
oxygen. 1 L pre-sonicated HA solution was ozonated for 30 and 120 min 
with O3 injection at four different dosages: 5.4, 7.4, 11.3 and 19.7 mg 
O3/Lgas. Dissolved O3 (Rosemount Analytical model 499AOZ-54 probe) 
and exhaust O3 (MT 964C ozone analyser) were continuously moni-
tored, as well as dissolved O2 (Rosemount Analytical Solu Comp II 
recorder), pH and temperature (Rosemount Analytical model 399-09-62 
probe). Exhaust O3 was destroyed by a Zonosistem thermocatalytic 
ozone destructor. All experiments were run at least in duplicates. 

2.3. Analytical methods 

Carbon, hydrogen, nitrogen and sulphur content present in the HA 
were determined by Euro EA Elemental Analyzer (CHNS). 10 mg of HA 
was completely oxidised by combustion with oxygen at a temperature of 
1020 ◦C and combustion products identified with a thermal conductivity 
detector. Fourier-transform infrared spectroscopy (FTIR) was conducted 
with a Jasco 4200 model to determine FTIR values in infrared medium 
(4000–400 cm− 1) using KBr pellets for solid sample preparation. Pellet 
preparation was carried out by mixing 1.5 mg HA with 300 mg KBr. The 
mixture was then subjected to high vacuum compression until a 10 mm 
diameter and 1.5 mm thick pellet was obtained. Liquid sample analyses 
were carried out by evaporating 240 µL of sample at 80 ◦C and 

Fig. 1. Schematic of the experimental setup. (a) Pre-sonication setup; (1) 
Sonication vessel, (2) pH meter and thermometer, (3) Plate transducer, (4) 
Fuse, (5) Power amplifier. (b) Ozonation setup, (6) O2 bottle, (7) O3 generator, 
(8) Flow metre, (9) O3 reactor, (10) pH meter and thermometer, (11) Magnetic 
stirrer, (12) O3 destroyer, (13) O3 analyser. 
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atmospheric pressure in a 13 × 2 mm ZnSe tablet (Pika Technologies) 
placed inside an oven. 13C NMR spectra were measured with a Bruker 
Avance III 400 MHz NMR spectrometer configured with the following 
characteristics: resonance frequency 100.62 MHz; π/2 pulse length 13.1 
µs; acquisition time 0.15 s; relaxation delay 1.5 s, nJH- C = 7.5 Hz and 
120 scans. The pKa (acid dissociation constant) of the HA sample was 
calculated using UV–Visible spectrophotometry (PerkinElmer Lamda 10 
UV/Vis spectrophotometer) and according to the method described by 
Reijenga et al. [19]. The determination of the E3/E5 ratio (ratio between 
UV absorbance at 350 and 550 nm and related to the molecular weight 
of humic substances) was carried out by dissolving 2 mg of HA in 10 mL 
of 0.05 M NaHCO3 and a subsequent absorbance measurement by Perkin 
Elmer Lamda 10 UV/Vis spectrophotometer at wavelengths of 350 and 
550 nm [20]. 

A Water 2695 HPSEC system with an Agilent ZORBAX GF-250 col-
umn (4.6 × 250 mm, 4 µm) was used for HPSEC analyses. A phosphate 
buffer (100% at pH 7) was injected at a flowrate of 1 mL/min with an 
ionic strength of 0.2 M and an injection volume of 20 µL. The Waters 
2487 absorbance detector was used at a wavelength of 254 nm. The 
HPSEC system was calibrated with protein standards (Sigma-Aldrich) of 
known molecular weight between 14 and 600 kDa. A semi-exponential 
curve was obtained and used (MW = 3 × 108 × tR− 9.691 with an R2 =

0.999 for MW > 47 kDa and MW = 21233 × tr2-171755 × tr + 343352 
with an R2 = 1 for MW ≤ 47 kDa) for the determination of molecular 
weights at different retention times. Shimadzu TOC-VCSH Analyser was 
used for TOC measurements. Perkin Elmer LS-50B luminescence spec-
trophotometer (pre-sonication experiments) and Jasco FP-8200 fluo-
rimeter (ozonation experiments) were used for fluorescence analyses, 
running a synchronous spectrum with an excitation spectra between 250 
and 550 nm, a displacement of 20 nm and a scanning speed of 100 nm/ 
min. Colour (PerkinElmer Lamda 10 UV/Vis spectrophotometer at 455 
nm [21]) and SUVA254 (PerkinElmer Lamda 10 UV/Vis spectropho-
tometer at 254 nm) were also monitored. The concentration of I3−

(proportional to the concentration of oxidising agents such as hydroxyl 
radicals) was measured following the KI dosimetry method [22,23]. 

3. Results and discussion 

3.1. Ultrasonic pre-treatment 

No significant TOC removal was measured after 30 min ultrasonic 
pre-treatment (300 kHz and 40 W). Therefore, impact of ultrasonic pre- 
treatment on the fluorescence spectra were investigated for any change 
at molecular level. 

3.1.1. Fluorescence spectra and degradation mechanisms 
Fluorescence emission intensity was monitored during ultrasonic 

pre-treatment in order to evaluate the impact of different frequencies 
and power densities on the fluorescence emission intensity band. 
Changes to the fluorescence emission indicates a change in the molec-
ular structure of HAs [24], although this was not translated into carbon 
mineralisation (TOC removal). 

Fig. 2a shows the reduction in fluorescence intensity after 30 min of 
treatment at an applied power of 40 W for 98 kHz, 300 kHz and 1 MHz in 
400 mL samples. Fluorescence intensity at λ max was reduced the most 
at 300 kHz (31%), followed by 1 MHz (20%) and 98 kHz (11%). At 300 
kHz, the reduction in fluorescence intensity was proportional to the 
applied power density (Fig. S2a). Reducing sample volume at a given 
applied power (increase in power density) also leads to a higher pro-
duction of HO• [25] and has a similar effect on the fluorescence intensity 
reduction as decreasing applied power (Fig. S2 b). It is well known that 
ultrasound can produce HO• through the dissociation of water vapour 
when a cavitating bubble collapses [26,27], also leading to the forma-
tion of localised microjets when bubbles collapse asymmetrically near a 
surface [28,29]. These chemical (HO•) and physical (shear forces pro-
duced by microjets) processes are the principal mechanisms taking part 
in the degradation of compounds when ultrasound is applied. At low 
frequencies (98 kHz) physical effects are predominant due to a stronger 
collapse of the bubbles, while the highest HO• production is observed at 
medium–high frequencies (300 kHz) [26]. 

To evaluate whether the HO• production is the mechanism behind 
the reduction in fluorescence emission intensity of HAs, the concentra-
tion of HO• was evaluated in terms of concentration of I3− formed for 
each of the frequencies and different sample volumes. This was plotted 
against the fluorescence intensity reduction (Fig. 2b) to investigate its 
correlation that is independent of the applied frequency, increasing 
treatment time, applied power and sample volume. The strong correla-
tion shown in Fig. 2b confirms that the reduction in fluoresce intensity 
could be mainly attributed to the attack of oxidising agents (HO• pri-
marily) produced by ultrasound, and not to the mechanical (physical) 
effects. 

3.2. Ozonation treatment 

3.2.1. Effect of ozone injection dose on TOC 
O3 injection dose was varied (5.4, 11.3 and 19.7 mg O3/ Lgas) to 

maximise O3 injection efficiency relative to TOC removal. Fig. 3 shows 
that increasing injected O3 dose, TOC removal rate increased within the 
first ten minutes of the experiment. However, further increase in ozon-
ation time up to 30 min, led to a similar TOC removal percentage for the 

Fig. 2. Effect of ultrasound (40 W) on fluorescence emission of 50 mg HA/L samples. (a) Fluorescence emission percentage after 30 min and 400 mL sample. Initial 
sample with no sonication (—), 98 kHz (——), 1 MHz (– . –) and 300 kHz (……). (b) Fluorescence emission intensity reduction percentage at 470 nm as a function of 
I3− concentration at 10, 20 and 30 min. 98 kHz (empty symbols), 300 kHz (black filled symbols), 1 MHz (grey filled symbols) and 150 mL (○), 200 mL (Δ), 300 mL (◊), 
400 mL (□) samples. 
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three highest applied O3 dosages (~36% reduction) and 27.8% reduc-
tion was measured for the lowest applied O3 dosage of 5.4 mg O3/Lgas. 
The difference in TOC removal rates between the aforementioned O3 
dosages (mainly 7.4 mg O3/ Lgas and 11.3 mg O3/ Lgas) would come from 
the action of molecular O3, considering a similar concentration of HO•

would be expected from the two injection dosages (Fig. S3). Increasing 
O3 injection dose increased dissolved O3 concentration (Fig. S4a) in the 
HA solution, leading to a higher TOC removal rate within the first mi-
nutes of the treatment. This is supported by a strong correlation between 
TOC removal and dissolved O3 concentration (Fig. S4b). 

Once O3 was transferred to the aqueous phase, a decrease in TOC was 
measured during the first stages of degradation probably due to decar-
boxylation reactions that can strongly oxidise the humic structure [30]. 
However, given the nature of the HA used, after the first degradation 
stages, the rate of oxidation decreased. The appearance of degradation 
by-products such as acids and esters could be responsible for the 
reduction in the oxidation rate, which have a lower reactivity (k =
0.0019 mg TOC− 1 s− 1) than the aromatic groups, alcohols and phenols 
(k = 0.071 mg TOC− 1 s− 1) that initially predominate in the first 
oxidation states of the HA structure [31]. The identification of these by- 
products was carried out using the FTIR spectra in Fig. 8, where an in-
crease in 1260 cm− 1 and 1720 cm− 1 bands was observed, indicative of 
the formation of carboxylic acids. In addition to these organic com-
pounds that are formed during ozonation, there are other inorganic 
compounds that are difficult to remove, such as bromate ions. Therefore, 
the increase in the TOC elimination rate in the initial stages of the 
treatment could be also related to the characteristics of the HA at that 
specific time [32]. 

3.3. Ultrasonic pre-treatment and ozonation 

3.3.1. Effect on TOC 
With 30 min ultrasonic pre-treatment (300 kHz and 40 W) and a 

subsequent ozonation (Fig. 4), a similar behaviour in TOC removal was 
observed. It is important to highlight, however, that the TOC reduction 
rate between 7.4 mg O3/ Lgas and 11.3 mg O3/Lgas seemed to be similar, 
contrary to non-sonicated values (Fig. 3). This could be related to the 
change in the molecular structure of HAs during sonication pre- 
treatment stated earlier, leading to a lower demand in O3 (reduction 
from 11.3 mg O3/ Lgas to 7.4 mg O3/Lgas) to obtain a similar TOC 
removal rate. Similarly, Ma and Lin [3] showed that ultrasound pre- 
treatment (combined with O2) decreased the consumption of chlorine 

in a subsequent chlorination process. Ultrasonic pre-treatment, none-
theless, did not increase the final TOC removal of O3 treatment for the 
two abovementioned applied O3 dosages. As it happened with non- 
sonication experiments, the lowest TOC removal percentage (24.3%) 
was once again obtained with 5.4 mg O3/ Lgas. For a given O3 treatment 
(mg O3/ Lgas), pre-sonication at different frequencies had no notable 
impact on the TOC reduction rate. (Fig. 5). 

3.3.2. Effect on colour and SUVA254 
For both ozonation alone and pre-sonication/ozonation experiments, 

a significant reduction in colour was observed. However, 30 min of 
sonication (300 kHz and 40 W) showed no significant reduction in 
colour, compared to 85% colour removal with ozonation treatment 
(Fig. 6a). Therefore, the colour reduction can be attributed to the 
breaking of polymers of humic material in water and the reactivity of O3 
with chromophore groups [33]. Although the final colour removal 
percentage was similar for the three O3 dosages used (5.4, 7.4 and 11.3 
mg O3/ Lgas), a difference in colour removal rates between 5.4 and 7.4 
mg O3/Lgas was evident (e.g. compared to 7.4 mg O3/ Lgas, colour values 

Fig. 3. TOC concentration as a function of treatment time for O3 alone for 
different injected O3 dosages of 5.4 mg O3/ Lgas ( ), 7.4 mg O3/ Lgas ( ), 11.3 
mg O3/ Lgas ( ), 19.7 mg O3/ Lgas ( ). 

Fig. 4. TOC concentration as a function of treatment time for injected O3 
dosages of 5.4 mg O3/ Lgas (◊), 7.4 mg O3/ Lgas (Δ), 11.3 mg O3/ Lgas (○), 19.7 
mg O3/ Lgas (□). 30 min ultrasound (300 kHz and 40 W) pre-treatment applied 
400 mL sample and 50 mg HA/L. 

Fig. 5. TOC concentration as a function of treatment time for 30 min ultrasonic 
pre-treatment (40 W) and 120 min O3 treatment (7.4 mg O3/L). 98 kHz (▴); 
300 kHz ( ); 1 MHz (Δ). 400 mL sample and 50 mg HA/L. 

P. Alfonso-Muniozguren et al.                                                                                                                                                                                                                



Ultrasonics Sonochemistry 71 (2021) 105359

5

at 10 and 15 min were double for 5.4 mg O3/Lgas). 
Similarly, ultrasonic pre-treatment had negligible effect on the 

SUVA254 (Fig. 6b) and a reduction of 70% was measured for the two 
highest O3 dosages, reducing slightly the removal percentage to 62% 
with 5.4 mg O3/ Lgas. The difference during ozonation in SUVA254 
removal rates between 5.4 and 7.4 mg O3/ Lgas was also maintained in 
this case (e.g. SUVA254 values at 10 and 15 min). 

3.4. Degradation mechanisms 

3.4.1. HO• yield 
As indicated in Fig. 2b there is a strong correlation between HO•

(quantified by measuring concentration of I3− ) and the degradation of 
HAs. Fig. S3 shows that the concentration of I3− achieved with O3 (7.4 
and 11.3 mg O3/Lgas injected) is approximately 10 times higher than the 

Fig. 6. HA degradation analysis through: (a) Colour as a function of time. (b) SUVA254 as a function of time. 5.4 mg O3/ Lgas (◊), 7.4 mg O3/ Lgas (Δ) and 11.3 mg O3/ 
Lgas (○). O3 alone (grey symbols), and 30 min ultrasound + O3 (empty symbols). 300 kHz and 40 W for ultrasound experiments. 400 mL sample and 50 mg HA/L. 

Fig. 7. HA degradation analysis through: (a) Fluorescence emission intensity US + O3; (b) Fluorescence emission intensity O3 alone; (c) HPSEC analysis US + O3; (d) 
Zoomed in plot of (c) at 2.6–3.6 min time interval. (a, c, d) Initial sample ( ), 10 min ultrasound (US, ), 30 min US ( ), 30 min US + 5 min O3 
( ), 30 min US + 10 min O3 ( ), 30 min US + 15 min O3 ( ), 30 min US + 20 min O3 ( ) and 30 min US + 30 min O3 ( ); (b) Initial sample 
( ), 5 min O3 ( ), 10 min O3 ( ), 15 min O3 ( ), 20 min O3 ( ) and 30 min O3 ( ). Ultrasound pre-treatment: 300 kHz and 40 W. O3 
injection: 7.4 mg O3/ Lgas. 50 mg HA/L initial sample. 
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concentration obtained with ultrasound. This could explain the differ-
ence in TOC removal of HA solutions between ultrasound pre-treatment 
(<5%) and O3 treatment (>40%) shown in Fig. 5, where the effect of a 
30 min sonication pre-treatment is shown to have negligible effect on 
the subsequent ozonation process. During the first 25 min of ozonation, 
a sharp decrease in TOC is accompanied by a fast reduction in pH from 7 
to 4. At pH between 7 and 4, both HO• and molecular O3 would take part 
in the oxidation process of compounds due to a fast decomposition of O3 
[34,35]. When the pH reached 4 or below, a considerable reduction in 
TOC removal rate was observed, where oxidation and mineralisation of 
HAs would come primarily from the action of molecular O3 (signifi-
cantly lower oxidation potential compared to HO• [36]). 

All this indicates that O3 would have played a minor role in the 
reduction of TOC compared to HO•. That would explain why after 
approximately 25 min of ozonation TOC removal rate decreased 
significantly with only a 12% additional removal between 30 min and 2 
h with 7.4 mg O3/Lgas injected compared to a 30% reduction in the first 
30 min (Fig. 5). The formation of refractory compounds during ozona-
tion could have also reduced further mineralisation of HAs [10]. 
Therefore, ozonation time was set at 30 min for further experiments. 

3.4.2. Effect on fluorescence spectra 
The evolution of fluorescence is compared in Fig. 7a (ultrasound pre- 

treatment without and with post O3 treatment) and 7b (O3 treatment 
alone). In both cases, a significant decrease in 460–550 nm emission 
band was observed (Fig. S5) indicating decomposition of HAs which are 
composed of aromatic groups, alcohols and phenols, as well as ketone 
and aldehyde groups [37]. However, there was as negligible impact 
from US pre-treatment and ozone dosage. There is a second region 
consisting of proteins with a maximum emission peak at 405 nm. In this 
region, the fluorescence intensity for ozonation alone resulted in a 
consistently lower intensity compared to ozonation with ultrasonic pre- 
treatment, indicating higher degradation of proteins by ozone (Fig. S6). 

In the fluorescence emission region between 340 and 410 nm, there 
is a notable increase in the intensity when ultrasound pre-treatment is 
applied compared to only ozonation. This could indicate that ozonation 
after ultrasonic pre-treatment led to an increase in the more biode-
gradable part of the humic structure (340–410 nm) [38], increasing: (i) 
the protein-like group that consists of xenobiotic compounds, (ii) the 
tryptophan-like group constituted by low molecular weight compounds 
and (iii) the tyrosine-like group composed of free molecules or mole-
cules bound to higher molecular weight proteins, as well as peptides 
[39]. On the other hand, with O3 treatment alone, although the humic 
region decreased its intensity in the same way as with the ultrasonic pre- 

treatment, an increase in the 340–390 nm band (Fig. S7) that could 
indicate a greater oxidation of the humic structure into other by- 
products with more biodegradable characteristics was not observed. 

3.4.3. HPSEC analysis 
Fig. 7c and d correspond to HPSEC chromatography of the ultrasonic 

pre-treatment followed by the ozonation process. In general terms, a 
gradual reduction in humic substances up to 80% was observed along 
with the generation of lower molecular weight oxidation compounds 
such as carboxylic acids and esters. HAs were broken down into lower 
molecular weight compounds (from >640 kDa to ~20 kDa) during the 
treatment process as shown by Fig. 7d. No major difference was found in 
the formation of lower molecular weight compounds during ozonation 
with and without ultrasonic pre-treatment (Fig. S8). 

3.4.4. FTIR analysis 
With regards to the FTIR analysis, Fig. 8 shows the infrared spectra 

obtained during the ozonation process with ultrasonic pre-treatment. A 
decrease in the transmittance intensity at 1620–1630 cm− 1 indicates a 
decrease in aromatic groups after 30 min O3 injection [40,41], likely due 
to O3 being highly selective towards complex aromatic compounds [30]. 
The decrease in aromaticity is consistent with the decrease in SUVA254 
and fluorophore concentration in the emission band of 405–461 nm 
observed in fluorescence analyses [42,43]. After the hydroxylation and 
opening of aromatic rings, a slow oxidation of oxygenated saturated 
compounds likely took place [44] as observed in the decrease of the 
corresponding to aromatic ethers [45]. Along with the 1260 cm− 1 band 
functional group, a decrease of the 1030 cm− 1 band (alcohols) was also 
observed, that together with the phenolic groups slowly decreased with 
increasing reaction time [41]. It is also highlighted the decrease in 
transmittance in the 1720 cm− 1 band (corresponding to the C––O vi-
bration tension) attributable to ketone groups and carboxylic acids. 
Above this wavelength there is a progressive decrease in compounds 
capable of absorbing in FTIR, which leads to a convergence of the 
spectra whatever the treatment. Finally, after the decrease in aromatic 
groups, alcohols, phenols, ketones and aldehydes, a greater abundance 
of the C-O tension bands (1220 cm− 1) was observed, corresponding to 
carboxylic acids [40,44]. These carboxylic groups increased during the 
reaction, being results in line with those observed in fluorescence ana-
lyses. In contrast, the 805 cm− 1 band would be attributable to tri- and 
tetrasubstituted aromatic rings which remained unchanged throughout 
the treatment [46]. This fraction could correspond to the residual humic 
structure observed in the fluorescence and which by its nature has a 
recalcitrant character that is difficult to eliminate (more aliphatic and 
polar) [41]. Finally, the intensity at 1540 and 1384 cm− 1 would corre-
spond to the formation of nitrogen groups caused by O3 injection [47]. 

4. Conclusions 

Ultrasonic pre-treatment significantly lowered fluorescence emission 
intensity from HA samples with all the frequencies under study. 31% 
fluorescence reduction in λ max (470 nm) was obtained applying 300 
kHz and 40 W (50 mg HA/L) for 30 min, measuring also changes in 
molecular structure. The subsequent 30 min ozonation reduced TOC 
down to 13.5 mg/L (36%) after applying 7.4 mg O3/Lgas. O3 injection 
also led to the production of oxidation by-products of lower molecular 
weight, reducing colour (85%) and SUVA254 (70%) significantly. How-
ever, ultrasonic pre-treatment did not substantially improve the per-
formance of ozonation treatment. Thus, similar results for TOC, colour 
and SUVA254 were obtained with ozonation-alone experiments. In 
contrast, significant variations in the fluorescence emission of the 
samples were detected, despite reaching the same degree of minerali-
sation either with or without ultrasonic pre-treatment. In such a way, the 
use of ultrasound would be more advantageous if adequately combined 
with simple or biological adsorption processes. 

Fig. 8. FTIR spectra in the region between 3100 and 700 cm− 1 of initial sample 
(50 mg HA/L and 400 mL), 30 min ultrasound (US, 300 kHz and 40 W), 30 min 
US + 30 min O3 (7.4 mg O3/ Lgas), 30 min US + 1 h O3 and 30 min US + 2 h O3. 
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Abstract: This work presents a case study of a wastewater treatment plant (WWTP), located in
Biscay (Spain), in which the removal of high-occurrence contaminants of emerging concern (CEC)
was studied. The existing biological treatment in the WWTP was complemented with a continuous
ultrafiltration (c-UF) pilot plant, as a tertiary treatment. Thus, the effect on CEC removal of both
treatments could be analyzed globally and after each operation. A total of 39 CEC were monitored,
including pharmaceutical products, industrial additives, food additives, herbicides and personal
care products. For evaluation of the efficiencies, the removal rates of the biological and of the c-UF
treatments, including their variability over a day and a week in relation to the ammonium content,
were examined in the influent of the WWTP. In the biological treatment, a wide range of different
removal rates was obtained due to the different CEC’s biodegradability and concentration. In UF,
lower, but more constant removal rates, were achieved. In addition, the reduction of the general
toxicity by the UF treatment in terms of the Microtox® toxicity assay was also evaluated. After UF, all
of the samples yielded values of TU50 lower than 1, confirming this result the UF effectiveness for
toxicity removal.

Keywords: emerging contaminants; ultrafiltration; wastewater treatment plant; ammonium;
toxicity; Microtox

1. Introduction

The presence of contaminants of emerging concern (CEC) in the effluents of wastewater
treatment plants (WWTPs) is a matter of growing concern [1]. Emerging contaminants are chemical
compounds that, though they are still unregulated, could be candidates for future regulation,
depending on the research results on their potential health effects and occurrence. These include
pesticides, pharmaceuticals, drugs of abuse, hormones, other endocrine disruptors, surfactants,

Sustainability 2020, 12, 725; doi:10.3390/su12020725 www.mdpi.com/journal/sustainability

http://www.mdpi.com/journal/sustainability
http://www.mdpi.com
https://orcid.org/0000-0002-6931-4169
https://orcid.org/0000-0001-5861-2390
https://orcid.org/0000-0001-6560-8795
http://dx.doi.org/10.3390/su12020725
http://www.mdpi.com/journal/sustainability
https://www.mdpi.com/2071-1050/12/2/725?type=check_update&version=3


Sustainability 2020, 12, 725 2 of 19

surfactant metabolites, perfluorinated compounds, industrial additives and agents, and personal care
products [2–4].

The occurrence of many CEC is often related to discharges from WWTPs, as a consequence of
the widespread use of many of these compounds and the lack of technologies with sufficient removal
efficiency, like ozonation of adsorption and their combinations [5]. In fact, the current legislation related
to wastewater treatment (Directive 2000/60/EC, Directive 2008/56/EC, Directive 2013/39/EU) does not
yet include most of these compounds and, therefore, WWTPs are not specifically designed to eliminate
them. As a consequence, it has been found that WWTPs only a partial removal of several CEC, such as
carbamazepine or diclofenac (< 25%) [6] continuous discharges give many aquatic environments at
sublethal levels that could achieve chronic levels (low µg/L range) of many CEC [7,8]. Moreover, these
CEC have even been found in water designated for human consumption [9,10]. Consequently, recent
research focused on avoiding the presence of certain CEC in drinking water [3].

In this sense, appropriate water treatment is fundamental for human and environmental health
protection. As noted above, the efficiency of the treatments before discharge of water determines its
impact on the aquatic ecosystems. Shelley et al. [11] reported that sublethal concentrations of herbicides
such as atrazine alter spontaneous swimming activity, feeding behavior, and vulnerability to predation
in Oncorhynchus mykiss (rainbow trout) after 96 hours of exposure. De Wever and Verachtert [12]
studied the toxic effects of the industrial additive 2-hydroxybenzothiazole on Candida albicans. This
CEC produced alterations in the cell membrane, causing vulnerability to attacks. In this context, the
general trend in Europe during recent decades has been to raise the percentage of the population
connected to WWTPs with tertiary treatments. This is particularly the case for countries such as the
Netherlands, Germany, and Austria, where currently more than 90% of urban wastewater receives
tertiary treatment [13]. The development of advanced treatments to be used as tertiary treatments is
necessary to adequately avoid address the potential hazards.

Currently, membrane filtration technologies and the use of advanced oxidation processes (AOPs)
are widely studied for the removal of micropollutants, either in wastewater or in drinking water [14–17].
Among these treatments, the most relevant processes are: ozonation [18,19], UV/H2O2/Fe3+

photocatalysis [20], electrochemical reactions [20,21], membrane bioreactors [22], nanofiltration or
ultrafiltration, reverse osmosis [23–25] and adsorption [26]. Technologies based on hydrogen peroxide
oxidation, such as Fenton, or others activated by UV [21,27,28] and ultrasound [29], have also proved
significant. However, fundamental questions about the technical viability, cost-effectiveness ratio or the
sustainability of the industrial implantation of different techniques are still under discussion. [30,31].

The well-known advantages of membrane filtration technologies over other technologies, such as
their small process footprint, simplicity, easy maintenance, or high separation efficiency, make them an
outstanding option for wastewater treatment, operating either alone or inside a hybrid process [32].
Among the different membrane technologies, that of ultrafiltration (UF) has been chosen in this work
because of its characteristics: pore size and operability, with a good adaptation to the effluent treatment
of a WWTP.

Within the available UF technologies, the continuous mode (c-UF) has been. The c-UF system
used in this work has been patented in Spain under patent number ES201431341A. This technology
has the following benefits when compared to current UF systems:

• Constant product flow even during cleanings
• Up to 30% cost reduction
• 50% footprint reduction
• 5% higher net production
• Large reduction of occupied space (suitable for modular plants)

The objective of this work is to study the in-situ removal ratio of a panel of 39 emerging compounds
(see Table 1) by a c-UF pilot plant connected to the secondary (biological) effluent of a working WWTP.
The target contaminants have been selected based on their frequency of appearance and concentration
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in WWTPs [33] and the removal efficiency of the biological and UF processes has been quantified
and compared, analyzing, in both cases, the influence of CEC concentration and in the case of the
biological treatment the influence of biodegradability. In the UF treatment, we studied the specific
behavior associated to adsorption phenomena. This factor, together with the complexity of the filtering
mechanisms, requires global parameter for a complete valorisation of the UF effect, beyond the CEC
reduction. Consequently, the effect of the UF treatment in the reduction of toxicity (Microtox®) has also
been evaluated in order to obtain an estimation of the effectiveness of the treatment and the quality of
the resulting effluent.

2. Materials and Methods

2.1. Equipment for UF and Operation Procedure

A pilot UF plant made by Fluytec S.A. (Bilbao, Spain) was used to treat the effluent from the
biological process (BIO) of the WWTP of Galindo. This WWTP treats the urban and industrial water
of the area of Bilbao (43◦18′35.38′′ N and 3◦0′25.92′′ W, Biscay, north of Spain), with an equivalent
population of 1,500,000 inhabitants, using a conventional activated sludge process after various
pretreatments (roughing, degreasing, sedimentation, and primary decantation).

The added UF plant has a treatment capacity of 5 m3/h and operates in continuous mode (c-UF)
and without recirculation (dead end). The UF technology used works in dead-end mode, with a
recovery factor of 98%. Then the retentate (2% of the feed water) corresponds to the wash water.
This little stream could be recirculated to the biologic entrance to get further removal by biological
degradation, and adsorption mechanism, or treated by ozonization. Its four hollow-fiber filtration
modules are made of polyether sulfone (PES) with molecular weight cut off (MWCO) of 100 kDa,
corresponding to a 20 nm pore size. The permeate stream presents a perpendicular direction across
the membrane and a constant flow (3.3 m3/h) throughout the process. The estimated filtration rate
through the membrane was 41.25 L/m2h taking into account that the effective membrane area was
80.0 m2. The operation procedure includes the sequential washing of each filtration module, such
that the other three modules are working meanwhile. A 9 min. washing was programmed after each
filtration period of 47 min, when the transmembrane pressure reaches the value of 0.6 bar, and consists
of three phases: flushing, backwashing, and rinsing. The feed pressure starts at 1.5 bar and rises to
2.3 bar at the end of the filtering period, just before the washing period starts.

2.2. Sampling Method

Analyzed samples were collected after primary, secondary, and tertiary treatments. Figure 1
schematically shows the entire water treatment process in the WWTP and the different sampling points
selected. Different samples (BIO influent, UF influent, and UF effluent samples) used in this work were
named according to this figure.

Composite grab samples of 1.5L were collected, on three randomly selected days (in triplicate)
of October 2018. Each day, samples at 4 different hours (9:00, 10:00, 11:00, and 12:00am) were taken,
and each 1.5 L hour sample was formed by three 500 mL subsamples taken every 5 min around the
corresponding hour. Figure 1 shows the treatment units of the WWTP with the sampling points.

Corresponding UF influent samples were taken considering the hydraulic retention times in the
aeration ponds and in the secondary settlers of the WWTP. Retention times fluctuated between 28
and 38 h, depending on the flow rate of treated wastewater. All samples were immediately frozen to
preserve them until the analysis was performed. Samples were collected in prewashed amber glass
bottles and transported to the laboratory in cooled boxes (4 ◦C). Samples were filtered through a 1.2 µm
glass microfiber filter (GE Whatman, Maidstone, UK), and kept in the fridge at −4 ◦C before analysis.
The analyses were performed within 24 h of sampling.

The ammonium concentration was obtained from the online monitoring system of the facility
at the entrance of the biological process influent with measurements every 15 minutes, according to
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ISO 7 150-2 (1986), Water quality—Determination of ammonium—Part 2: Automated spectrometric
method [34]. Ammonia is related to human activities and oxygen present in wastewater and, therefore
lead to an increase in CEC, mostly pharmaceuticals, excreted by people. Bicudo et al. analyzed the
presence of pharmaceutical CEC, such as acetaminophen or valsartan, to human activity through
monitoring of ammonia in the influent of a WWTP in Grand River watershed. As in this study, they
found no relationship between ammonium concentrations and CEC [35].

Sustainability 2020, 12, x FOR PEER REVIEW 4 of 19 

therefore lead to an increase in CEC, mostly pharmaceuticals, excreted by people. Bicudo et al. 
analyzed the presence of pharmaceutical CEC, such as acetaminophen or valsartan, to human 
activity through monitoring of ammonia in the influent of a WWTP in Grand River watershed. As in 
this study, they found no relationship between ammonium concentrations and CEC [35]. 

 

Figure 1. Scheme of the assembly of the different treatments in this work with specification of sampling 
points: biological process (BIO) influent (1), ultrafiltration (UF) influent (2) and UF effluent (3). 

2.3. Analytical Method and Method Assurance 

Water samples were analyzed in triplicate as one of the methods described by Mijangos et al. 
[36]. In this case, attending to the frequency at which compounds appeared and their concentration, 
39 of the 41 compounds determined in that work were selected, which are listed in Table 1. 

The applied method’s quality parameters, including extraction recoveries and method limits of 
quantification, were evaluated elsewhere [33]. The analysis of the samples is briefly described, as 
follows. First, 100 mL of each sample was filtered through 1.2 μm glass fiber filters (GE Whatman, 
Maidstone, UK), and then 4.25 mL of Na2EDTA (0.2 M) and 0.8 mL of a solution containing formic 
acid were added (pH = 2). 

The compounds were loaded at a constant flow of 5 mL/min into a solid phase extraction (SPE) 
cartridge (OASIS-HLB, hydrophilic–lipophilic-balanced, 200 mg, Waters, Milford, USA) previously 
conditioned with 5 mL of methanol (MeOH), 5 mL of Milli-Q (MQ), and 5 mL of acidified MQ (pH = 
2). After the samples were loaded, the cartridges were rinsed with 6 mL of MQ to remove the 
impurities, and the cartridges were vacuum dried for an hour. Methanol (6 mL) was used to elute 
the target analytes from the cartridges, and the extract was evaporated at 35 °C under a gentle 
stream of N2. Finally, samples were reconstituted in 200 μL of MeOH:MQ (30:70, v:v) and filtered 
using 0.22 μm polypropylene filters (PP, 0.22 μm, 13 mm, Phenomenex, Torrance, CA, USA), before 
liquid chromatography–tandem mass spectrometry (LC–MS/MS) analysis was performed [33]. 
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2.3. Analytical Method and Method Assurance

Water samples were analyzed in triplicate as one of the methods described by Mijangos et al. [36].
In this case, attending to the frequency at which compounds appeared and their concentration, 39 of
the 41 compounds determined in that work were selected, which are listed in Table 1.

The applied method’s quality parameters, including extraction recoveries and method limits of
quantification, were evaluated elsewhere [33]. The analysis of the samples is briefly described, as
follows. First, 100 mL of each sample was filtered through 1.2 µm glass fiber filters (GE Whatman,
Maidstone, UK), and then 4.25 mL of Na2EDTA (0.2 M) and 0.8 mL of a solution containing formic
acid were added (pH = 2).

The compounds were loaded at a constant flow of 5 mL/min into a solid phase extraction (SPE)
cartridge (OASIS-HLB, hydrophilic–lipophilic-balanced, 200 mg, Waters, Milford, USA) previously
conditioned with 5 mL of methanol (MeOH), 5 mL of Milli-Q (MQ), and 5 mL of acidified MQ
(pH = 2). After the samples were loaded, the cartridges were rinsed with 6 mL of MQ to remove the
impurities, and the cartridges were vacuum dried for an hour. Methanol (6 mL) was used to elute the
target analytes from the cartridges, and the extract was evaporated at 35 ◦C under a gentle stream
of N2. Finally, samples were reconstituted in 200 µL of MeOH:MQ (30:70, v:v) and filtered using
0.22 µm polypropylene filters (PP, 0.22 µm, 13 mm, Phenomenex, Torrance, CA, USA), before liquid
chromatography–tandem mass spectrometry (LC–MS/MS) analysis was performed [33].
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Table 1. Name, CAS Registry Number and principal use of the 39 contaminants of emerging concern (CEC) studied [37].

Application Micropollutant CAS Registry Number Properties of Concern (European
Chemicals Agency, ECHA)

Food additives

Acesulfame 55589-62-3 —

Caffeine 58-08-2 —

Methylparaben 99-76-3 Possibly endocrine disrupting

Sucralose 56038-13-2 —

Herbicides

Atrazine 1912-24-9 Skin sensitizing

Diuron 330-54-1

Possibly carcinogenic
Possibly endocrine disrupting

Substance included in the Community
Rolling Action Plan (CoRAP)

Isoproturon 34123-59-6 Possibly carcinogenic

Simasine 122-34-9 Possibly carcinogenic

Industrial additives

2-hydroxybenzothiazole 934-34-9 —

Perfluorooctanesulfonamide (PFOSA) 754-91-6 —

Perfluoro-n-nonanoic acid (PFNA) 375-95-1

Possibly carcinogenic
Toxic to reproduction

Persistent, bioaccumulative and toxic
Substance of very high concern (SVHC)

and included in the candidate list

Potassium nonafluoro-1-butanesulfonate 29420-49-3 —

Potassium perfluoro-1-octanesulfonate
(PFOS) 2795-39-3 Possibly carcinogenic

Toxic to reproduction



Sustainability 2020, 12, 725 6 of 19

Table 1. Cont.

Application Micropollutant CAS Registry Number Properties of Concern (European
Chemicals Agency, ECHA)

Medicaments

Acetaminophen 103-90-2 —

Amitriptyline hydrochloride 549-18-8 Skin sensitizing
Respiratory sensitizing

Bezafibrate 41859-67-0 —

Carbamazepine 298-46-4 Skin sensitizing
Respiratory sensitizing

Ciprofloxacin 85721-33-1 —

Clofibric acid 882-09-7 —

Diclofenac 15307-86-5 —

Eprosartan mesylate 144143-96-4 —

Genistein 446-72-0 —

Genistin 529-59-9 —

Glycitin 40246-10-4 —

Imipramine 50-49-7 —

Irbesartan 138402-11-6 Toxic to reproduction

Ketoprofen 22071-15-4 —

Losartan Free Acid 114798-26-4 Toxic to reproduction
Skin sensitizing

Norfloxacin 70458-96-7 —

Phenytoin 57-41-0 —

Progesterone 57-83-0 Carcinogenic
Toxic to reproduction

Propranolol 525-66-6 —

Sulfadiazine 68-35-9 Skin sensitizing
Respiratory sensitising

Sulfamethoxazole 723-46-6 Carcinogenic
Skin sensitizing

Telmisartan 144701-48-4 —

Testosterone 58-22-0 —

Trimethoprim 738-70-5 —

Valsartan 137862-53-4 —

Personal Care

Butylparaben 94-26-8 —
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The LC–MS/MS analysis was performed using an Agilent 1260 series HPLC chromatograph
equipped with a degasser, binary pump, autosampler, and column oven, and coupled to an Agilent
6430 triple quadrupole (QqQ) mass spectrometer equipped with an electrospray ionization (ESI) source
(Agilent Technologies, Palo Alto, CA, USA). The separation of the target analytes was carried out
using a Kinetex F5 100 Å core-shell 2.1 mm × 100 mm, with a 2.6 µm column coupled to a Kinetex F5
pre-column 2.1 mm × 4.6 mm, 2.6 µm (Phenomenex, Torrance, 235 CA, USA). Then, 10 µL of sample
was injected into the system and the column was maintained at 35 ◦C during the chromatographic run.

The separation was performed at a constant flow of 0.3 mL/min. under gradient elution with a
binary mixture consisting of: water:MeOH (95:5, v:v) (mobile phase A) and MeOH:water (95:5, v:v)
(mobile phase B), both containing 0.1% formic acid. The gradient profile started with 30% B, which
was increased to 50% after 4 min and maintained for 12 min. Then, it was increased to 90% B, where it
was maintained for 10 min. Initial gradient conditions (30% B) were then achieved in 6 min., where it
was finally held for another 10 min (post-run step).

Electrospray ionization was carried out using a N2 flow rate of 12 L/min, a capillary voltage of
3500 V, a nebulizer pressure of 45 psi, and a source temperature of 350 ◦C.

Quantification was performed in the selected reaction monitoring (SRM) acquisition mode by
recording the three most intense transitions for each analyte (the most sensitive transition was chosen
as the quantifier and the second and third ones as qualifiers) where possible. Both voltages, according
to the target analytes, were simultaneously applied in a single injection.

In order to assess the toxicity levels of UF influent and effluent samples Microtox® toxicity
bioassays were performed. The measurements were carried out according to ISO 11348-3 (1998),
Water Quality—Determination of the inhibitory effect of water samples on the light emission of Vibrio
fischeri (Luminescent bacteria test)—Part 3: Method using freeze-dried bacteria [34]. The results of
this assay are usually expressed as EC50, which represents the percentage of sample dilution (% v/v)
that causes a 50% reduction in bacteria luminescence after 15 min of exposure. Consequently, the
toxicity units (TU50 = 100/EC50) were used in this study to express the toxicity [38]. All the tests were
carried out in duplicate in a Microtox® toxicity analyzer, Azur 500 model (Microbics Corp., New Castle,
Delaware, USA).

3. Results and Discussion

3.1. Relationship Between Ammonium Concentration and Emerging Contaminants Concentration

In the first step of the study, time profiles of ammonium and CEC concentrations arriving
at the WWTP were studied and compared. The concentration of the major CEC (those above
1 ng/L) in the influent of the biological treatment is shown in Table 2. As has been reported by
Luo et al. [9], most emergent contaminants are typically found between 0.1 and 10 µg/L, and some,
such as acetaminophen and caffeine, show much higher levels. On the contrary, concentrations
below 1 ng/L were found for the following microcontaminants: atrazine, butylparaben, clofibric acid,
genistin, glycitin, imipramine, perfluoro-n-nonanoic acid, potassium perfluoro-1-octanesulfonate,
potassium nonafluoro-1-butanesulfonate, simasine, sucralose and sulfadiazine. Therefore, these minor
components were not taken into account in the study.
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Table 2. CEC analyzed at different hours in the influent of the biological treatment.

Micropollutant Concentration (ng/L)

H1 H2 H3 H4

Acetaminophen 50,421 ± 3460 48,352 ± 1919 54,557 ± 1040 112,762 ± 4788
Caffeine 21,493 ± 1350 18,835 ± 382 16,047 ± 655 31,704 ± 1309
Valsartan 17,340 ± 245 10,072 ± 1220 12,143 ± 120 30,979 ± 1499

Sulfamethoxazole 8828 ± 119 2189 ± 62 135 ± 1 283 ± 4
Trimethoprim 5581 ± 116 851 ± 2 76 ± 1 82 ± 1

Methylparaben 5139 ± 119 2937 ± 100 2094 ± 67 8400 ± 250
Acesulfame 5041 ± 581 4102 ± 181 5851 ± 332 25,092 ± 1808

Losartan free acid 1267 ± 38 917 ± 168 1056 ± 4 1723 ± 125
Genistein 1191 ± 33 1198 ± 208 739 ± 97 1184 ± 131

Eprosartan mesylate 1049 ± 10 799 ± 108 874 ± 29 1588 ± 94
Ketoprofen 865 ± 99 643 ± 27 579 ± 42 1117 ± 86
Irbesartan 829 ± 4 714 ± 61 822 ± 24 1070 ± 42
Diclofenac 766 ± 18 692 ± 10 582 ± 17 458 ± 10

Telmisartan 593 ± 1 704 ± 30 1386 ± 129 1476 ± 67
Norfloxacin 452 ± 3 363 ± 5 233 ± 15 365 ± 10

2-hydroxybenzothiazole 422 ± 9 240 ± 3 219 ± 27 271 ± 14
Progesterone 243 ± 8 205 ± 1 — 276 ± 33
Bezafibrate 207 ± 5 199 ± 10 272 ± 18 474 ± 22

Perfluorosulfonamide 203 ± 11 148 ± 22 196 ± 12 302 ± 27
Diuron 174 ± 1 147 ± 8 57 ± 1 76 ± 2

Carbamazepine 116 ± 1 86 ± 2 90 ± 2 120 ± 2
Testosterone 107 ± 4 74 ± 7 61 ± 2 101 ± 6

Ciprofloxacin 79 ± 5 63 ± 2 51 ± 1 69 ± 3
Amitriptyline 68 ± 1 68 ± 2 71 ± 3 112 ± 3

Phenytoin 45 ± 2 41 ± 1 36 ± 6 49 ± 4
Propranolol 24 ± 1 23 ± 5 23 ± 2 17 ± 2
Isoproturon 3 ± 1 2 ± 1 2 ± 1 2 ± 1

Sampling hour at H1—(9:00 am); H2—(10:00 am); H3—(11:00 am); and, H4—(12:00 am).

Ammonium concentration levels varied between 27.6 and 55.2 g/m3 in the different analysis days.
As can be seen in Figure 2a, the ammonium content steadily increased with increasing sampling time,
probably because of the increasing levels of human activities throughout the morning.Sustainability 2020, 12, x FOR PEER REVIEW 8 of 19 
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Figure 2. Concentration in the influent of the biological treatment at the different sampling hours of:
(a) Ammonium; (b) certain representative emerging pollutants.

In the case of CEC (as shown in Table 2), some of them, such as acetaminophen, acesulfame,
telmisartan, and amitriptyline, followed a pattern close to that of ammonium (Figure 2b—increasing
their concentration as noon approached). This was also the case for other CEC, such as bezafibrate,
eprosartan mesylate, and valsartan. Nevertheless, other CEC, such as diclofenac and diuron, showed
the opposite tendency. However, most of them, such as testosterone and ciprofloxacin, showed a
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random pattern. Therefore, according to our results, CEC concentration variation in wastewaters
cannot be related to ammonium concentration.

3.2. Removal Yields of Emerging Contaminants with the Biological Treatment

Removal rates achieved with the biological treatment for each of the CEC were calculated taking
into account the concentration (mean and standard deviation) at the influent and the effluent of the
treatment. From all the CEC, 2-hydroxibenzothiazole, ketoprofen, telmisartan, and valsartan have
been chosen as representatives of the different behaviors, and the variation of their removal rates for
each sampling hour is shown in Figure 3a. As can be seen, ketoprofen and valsartan showed high
removal ratios in all hour samples. However, 2-hydroxibenzothiazole and telmisartan, showed lower
values of removal efficiency with higher variability.
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As Figure 3b shows, in general, compounds showing a removal higher than 80% maintained
approximately constant values in all hour samples. On the contrary, those having intermediate and low
removal percentages displayed higher variability. These results seem to indicate a certain variability in
removal rates, which could be explained by taking into account factors such as CEC concentration
and biodegradability.

When removal rates are analysed in relation to the concentration values at the influent of the
biological treatment (Table 2), a partial dependence can be observed, probably for kinetic reasons.
In fact, solutions with concentrations higher than 1500 ng/L yielded, in all cases, efficiencies above
80.0%, except for the case of sulfamethoxazole in H2. This was the case of acesulfame, acetaminophen,
caffeine, methylparaben, and valsartan at all hours, and of eprosartan mesylate, sulfamethoxazole,
and trimethoprim only at the hours with a proper concentration. Higher variation of efficiency was
observed for most compounds.
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Mean removal efficiencies for all CEC under biological treatment are shown in Figure 3b. As can
be seen in this treatment, genistein, methylparaben, progesterone, and testosterone were completely
removed, and caffeine and acetaminophen showed removal percentages higher than 99.5%. Contrarily,
irbesartan and carbamazepine presented the lowest removal ratios, with maximum values of 15.0%
and 22.0%, respectively. Two special cases were perfluorosulfonamide and isoproturon, which, in
some cases, were not eliminated at all.

It can also be observed that the efficiency of some CEC is higher depending on the targeted
compound, their biodegradation, and adsorption onto activated sludge [39]. In fact, acesulfame,
acetaminophen, caffeine, genistein, methylparaben, progesterone, testosterone, and valsartan showed
efficiencies higher than 93.0% at all the hours, and ketoprofen had an efficiency that was higher
than 82.0%. Of them, genistein, progesterone, testosterone, and ketoprofen are remarkable, as their
concentration was lower than 1500 ng/L. In the rest of the analytes, in general, displayed efficiencies
lower than 84.0%, and the variation in the removal rate with the sampling hour was much higher.
This higher variability of the rates with lower efficiencies could be due to the higher difficulty for the
degradation of compounds with less biodegradability and at lower concentrations.

These results are generally in agreement with those obtained in the literature. For example, poor
removal levels of carbamazepine (23.1%) in combination with high removal of acetaminophen (99.9%),
caffeine (99.2%), and ketoprofen (94.2%), medium–high of diclofenac (81.4%) and trimethoprim (69.0%),
and medium–low of sulfamethoxazole have been found in different biological-based WWTPs [40], as
in this study. Similarly, in other works, evidence of the poor removal rate of carbamazepine [3,41]
and the high degradability of acetaminophen [42,43] and caffeine or medium–high degradability of
trimethoprim has been found [44].

3.3. Removal Yields of Emerging Contaminants with UF Treatment

After biological treatment, effluent was submitted to c-ultrafiltration. Figure 4a shows removal
rates with this treatment for the same emerging contaminants depicted in Figure 3a. Figure 4b shows
the average efficiencies obtained with ultrafiltration for all the CEC.

As can be seen, the efficiencies achieved with ultrafiltration treatment were below 50.0% in almost
all cases, except for amitriptyline (63.0%), and were systematically lower than those obtained with
biological treatment. In addition to this, it is worth noting that the efficiencies were more stable
throughout the day, though higher deviations were observed in the replicated measurements, probably
due to the low removal rates achieved (high difficulty of the removal).

According to the literature, the predominant driving mechanism in UF is adsorption [45,46], and
not size-exclusion due to the relatively large pore size. Therefore, the extent of the retention of the
different compounds is related to the higher or lower affinity of each compound for the membrane.
Nevertheless, it should be emphasized that, in general, ultrafiltration retention efficiency is not
very high. For example, according to a reporting study [45], retention coefficients by different UF
membranes were tested—obtaining average values below 50.0%. In addition, in other works, most of
the compounds showed retention lower than 30.0% in the UF membrane [46].
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3.4. Removal Yields and Adsorption Phenomena in UF Treatment

Figure 5 shows the removal rates of the 18 CEC detected versus permeate concentration during
c-UF in the treated effluent, showing a specific behaviour that could be associated to adsorption
phenomena. The concentration variability observed for each contaminant at the ultrafiltration inlet
depends not only on the concentration, but also on its biodegradability and the adsorption equilibrium
on the surface of the membrane, as will be studied below in detail. Thus, many of those contaminants
that are emerging in Figure 5a are contaminants with high biodegradability; those in Figure 5c
presented high concentration variability in the biological entrance; those in Figure 5b presented
intermediate values of concentration and biodegradability. Examples of CEC with extreme variation
in concentration are caffeine, with a low concentration (≈ 50 ng/L), and trimethoprim, with a high
concentration (≈ 500 ng/L). Both compounds presented removal rates of about 30.0%, but a sharp
decrease of the average yields, beneath 0.1%, was observed at extreme concentration values. This was
an extended behavior in many of the emerging contaminants shown in Figure 5. Thus, one can mention,
among those of great variability—ketoprofen, 2-hydroxibenzothiazole, bezafibrate, carbamazepine
and phenytoin—and those with medium concentration—valsartan, perfluorosulfonamide, eprosartan
mesylate and losartan. Although showing different removal yields at their respective medium–high
concentrations, at low concentrations, all these contaminants presented removal rates below 0.1%. On
the other hand, in all compounds with high concentration variability—shown in Figure 5c—removal
rates below 0.1% were found both at high and low concentrations (extreme values).
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Figure 5. c-UF removal yields as a function of the permeate concentration for the emerging contaminants
studied at: (a) low-, (b) medium-, and (c) high-concentration variability. Percentage average yields
(values higher 10%) of each pollutant are given in brackets in the insets of the graphs. Values in the
lower part of the graph correspond to yields below 0.1%.

This special behavior, observed in most emerging contaminants analyzed in c-UF, seems to be
explained by adsorption phenomena [47]. Corresponding equilibria of different compounds could be
affected by the organic matter present at the entrance of the UF. Nevertheless, the buffering effect of the
biological process leads to similar organic matter content concentration and characteristics of organic
matter at the outlet. Consequently, the effect on the balance of different CEC is negligible.

After analyzing the removal yields, it is deduced that the maximum removal rate, once filtered,
lies within the middle values, within the variability of each contaminant. In such cases, a good recovery
of the filter material after washing is deduced. The retention capacity for a contaminant can be defined



Sustainability 2020, 12, 725 13 of 19

by the corresponding equilibrium adsorbed amount, q∞ (ng/g f.m.), which depends on the contaminant
concentration in contact with the filter material, according to the Freundlich adsorption isotherm:

KF =
q∞

C1/nF
e

(1)

where Ce (ng/L) is the equilibrium concentration and KF (ng/g) (L/ng)nF is the Freundlich constant
corresponding to a given contaminant and adsorbent material, when nF = 1. For many compounds at
low concentrations, as in the emerging compounds, the heterogeneity factor, nF, is one [48].

Moreover, the duration of the filtration stage in the tests reported here was 47 min. For these times,
it can be assumed that the retained load, qtf, at the end of the filtration period, is in equilibrium with the
contaminant concentration at the c-UF output (permeate). Consequently, qtf ≈ q∞, and is, therefore, in
equilibrium with the output concentration, Cp = Ce. In this way, the KF constant can be derived from:

qtf =
η×C0 ×Q× tf

MF
(2)

KF =
q∞
Ce

;
qtf

Cp
(3)

Equation (2) relates the removal yield (η) to qtf, with MF (g) being the ultrafiltration membrane
mass used to treat a flow Q (L/min), in which C0 (ng/L) is the input concentration for a certain CEC.
Under certain conditions, also serves to estimate the retention capacity in equilibrium, q∞. In other
words, Equation (3) is assumable, as long as the adsorption capacity is maintained at the maximum
value; that is, q∞ does not decrease and the adsorption kinetics, kads (g(ng min)−1), are sufficiently
fast. In principle, these circumstances would occur for the highest removal rate observed in each
contaminant. In this case, the corresponding qtf is assimilable to q∞.

An estimation of the adsorption constant can be made by considering a pseudo-second order
kinetics:

dqtf

dtf
= kads × (q∞ − qtf)

2 (4)

tf

qtf
=

1
kads × q2

∞

+
tf

q∞
(5)

Equation (5) enables the amount of contaminant retained during filtration to be determined.
Solving for a time tf = 47 min (filtration period), the qtf value is obtained that should coincide with the
experimental one from Equation (2). In the case of a low removal yield, the experimental qtf values can
be explained through Equation (5), because of the q∞ reduction to a lower effective value, q∞* (= q∞ −
qirr), depending on the filtration conditions. This value tends to be zero at the extreme concentration
values, within the variation range of each CEC. Table 3 shows the values of the adsorption parameters
estimated from the retention observed for each compound. Diuron and caffeine were selected among
the low-concentration CEC, telmisartan and losartan among those of medium concentration, and
sulfamethoxazole and trimethoprim among those of high concentration. The qirr value represents the
amount irreversibly retained in the filtration membrane and not removed during washing, causing
fouling [25]. In general, qirr approaches q∞ at extreme values (high and/or low), leading to a low
removal yield.
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Table 3. Adsorption parameters of the c-UF filtration membrane, depending on the concentration, for
selected pollutants.

Micropollutant C0,
ng/L η, % Cp,

ng/L
KF, (ng/g)
(L/ng)nF

q∞,
ng/g

kads,
g (ng min)−1

qirr,
ng/g

q∞*,
ng/g

Fq

Amitriptyline
51 68.6 16 2.40 × 10−1 3.8 11.9 0.0 3.8 0.000
68 67.6 22 2.40 × 10−1 5.3 11.9 0.2 5.0 0.044
69 66.7 23 2.40 × 10−1 5.5 11.9 0.5 5.0 0.086
63 52.4 30 2.40 × 10−1 7.2 11.9 3.6 3.6 0.497

Caffeine
90 27.0 65.5 6.80 × 10−2 4.5 0.295 1.7 2.8 0.385
116 24.0 88 6.80 × 10−2 6.0 0.295 2.9 3.2 0.476
107 0.1 107 6.80 × 10−2 7.3 0.295 7.3 0.0 0.996
145 38.0 90 6.80 × 10−2 6.2 0.295 0.0 6.1 0.006

Telmisartan
597 5.7 563 8.15 × 10−2 45.9 0.350 42.1 3.8 0.917
627 20.7 497 8.15 × 10−2 40.5 0.350 26.2 14.3 0.647
690 26.2 509 8.15 × 10−2 41.5 0.350 21.6 19.9 0.520
749 42.6 430 8.15 × 10−2 35.0 0.350 0.0 35.0 0.000

Losartan
262 15.6 221 3.40 × 10−2 7.5 0.085 2.8 4.7 0.370
375 23.2 288 3.40 × 10−2 9.8 0.085 0.0 9.8 0.001
309 0.1 309 3.40 × 10−2 10.5 0.085 10.4 0.1 0.989
320 0.1 320 3.40 × 10−2 10.9 0.085 10.8 0.1 0.990

Norfloxacin
106 0.1 106 4.90 × 10−2 5.2 0.056 5.1 0.1 0.986
163 22.1 127 4.90 × 10−2 6.2 0.056 1.9 4.3 0.309
205 29.8 144 4.90 × 10−2 7.1 0.056 0.0 7.1 0.001

2203 0.1 2201 4.90 × 10−2 107.8 0.056 107.4 0.4 0.996

Sulfamethoxazole
92 0.1 92 9.30 × 10−2 8.6 0.056 8.5 0.1 0.992
137 10.2 123 9.30 × 10−2 11.4 0.056 9.6 1.9 0.838

1608 45.8 872 9.30 × 10−2 81.1 0.056 0.0 81.1 0.000
2573 0.1 2570 9.30 × 10−2 239.0 0.056 238.5 0.5 0.998

C0—pollutant initial concentration; η—removal yield; CP—pollutant output concentration; KF—Freundlich constant;
q∞—equilibrium adsorbed amount; kads—pseudo-second-order rate constant of adsorption; qirr—amount of
adsorbed contaminant not eliminable; Fq—fouling factor.

A fouling factor, Fq, was defined for each component by the ratio of adsorbed contaminant, not
eliminable or irreversible, qirr, to the original adsorption capacity, q∞, according to Equation (6):

Fq =
qirr

q∞
(6)

In Table 3, the variability of the removal yields with the concentration for some selected compounds
are shown.

The highest removal yields correspond to situations with a fouling factor, Fq, close to zero. Thus,
for each compound, the greatest removal yields correspond to situations, with a fouling factor, Fq,
close to zero. In Figure 6, the retention capacity in equilibrium has been represented, according to
Equation (3), for three representative compounds, of low (amitriptyline), medium (losartan), and high
concentration (sulfamethoxazole). As explained above, q∞ is composed of a reversible part q∞* (white
area below q∞ profile in Figure 6) which is removed by washing, after each filtration period, and
another irreversible part or fouling, qirr (shaded area). As qirr approaches q∞, it will be more difficult to
recover the adsorption capacity after each cycle.
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FIGURE 6 

 
Figure 6. Variation of the equilibrium adsorption capacity: original (q∞) and effective (q∞*), depending
on the concentration for three selected CEC: (a) amitriptyline, (b) losartan, and (c) sulfamethoxazole.

Consequently, highest removal yields will occur as q∞* approaches q∞. These favourable situations
correspond to intermediate concentrations represented in Figure 6 by a large white area beneath the
q∞ line, whereas qirr (shaded area) is negligible. This concentration range of high removal yields can
be more or less centred depending on the compound. Thus, losartan and sulfamethoxazole present
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similar situations, whereas in the case of amitriptyline, the highest elimination yields correspond to
the lowest concentrations.

3.5. Toxicity Test

The results (mean and standard deviation of three replicates) of the Microtox® assay in both the
input and output of the c-UF plant, at each hour, are summarized in Table 4.

Table 4. Results of the Microtox® toxicity assays obtained in the influent and in the effluent of the
c-UF treatment.

UF Influent UF Effluent

Sampling Hour TU50 Sampling Hour TU50

H1 27.0 (± 5.2) H1 < 1 (Not Toxic)
H2 51.7 (± 12.8) H2 < 1 (Not Toxic)
H3 11.1 (± 4.5) H3 < 1 (Not Toxic)
H4 38.2 (± 7.4) H4 < 1 (Not Toxic)

It is well known that UF removes mainly suspended solids and bacteria but also has significant
efficiency in terms of toxicity removal, because it removes the low toxicity of the biological effluent
(see Table 4); local discharge legislation establishes nontoxic effluents when TU50 values are below
50. Moreover, part of CEC, as seen before, are also removed although this is not clearly related to the
decrease of toxicity. Consequently, most of the toxicity may be due to non-measured contaminants or
to only a part of the measured ones. Deeper experiments beyond the scope of this work would be
necessary to clarify this aspect.

4. Conclusions

In this work, the removal of 39 high-occurrence CEC by the biological treatment of a WWTP and
by a c-UF plant installed in its effluent was studied.

First, the time profile of the CEC concentration in the influent of the biological treatment was
compared to the profile of ammonium and no significant relationships were obtained for most (75.0%)
of the CEC.

In the case of the biological treatment, the removal rate of the CEC was dependent on the
concentration and nature of each compound due to specific degradation biokinetics and biodegradability
of the different compounds, respectively. Related to this, genistein, methylparaben, progesterone,
testosterone, caffeine, and acetaminophen showed removal efficiencies above 99.5%. In contrast,
irbesartan, carbamazepine, diuron, and phenytoin showed average removal rates below 20.0%. In
addition, solutions with a higher concentration of CEC (above 1500 ng/L) presented high efficiencies
above 80.0% in almost all cases.

In the case of ultrafiltration, removal rates were not higher than 30.0% in most cases, except for
the case of amitriptyline, which reached 63.0%. In general, a strong variability of the removal rate with
concentration was observed in all CEC. Low removal yields observed at low and/or high concentrations
could be explained by fouling, or irreversibly adsorbed material on the filtration membrane.

Moreover, the Microtox® toxicity tests revealed that c-UF efficiently reduces the toxicity of the
secondary effluent (biological). However, because of the complexity of this matter, beyond the scope of
this work, the identification of responsible CEC for toxicity could not be found.

As a general conclusion, biological treatment complemented with c-UF allows a higher efficiency
in removing CEC than the biological process alone. Nevertheless, ultrafiltration can be satisfactorily
used as a tertiary treatment in order to help remove the small residual toxicity in the last WWTP stream.

5. Patents

The c-UF system used in this work has been patented in Spain under patent number ES201431341A.
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Abstract: The water–development nexus is essential for the advancement and progress of cities in the
face of problems such as climate change, water security and increasing environmental stress in the
agricultural sector. Aiming for a circular economy and, at the same time, improving the resilience of
water supply alternatives and achieving a goal of zero waste, this work presents a technical–economic
study of a novel continuous ultrafiltration (c-UF) system with self-cleaning capacity coupled to an
ozonation process, for the treatment of urban WWTP effluent. The removal efficiencies achieved
were analysed both through macroscopic parameters (suspended solids, turbidity) and for the most
frequently occurring contaminants of emerging concern (CECs). Consequently, an effluent suitable for
irrigation was obtained, with a total recovery factor of 97.92%, a concentration of suspended solids (SS)
below 1 mg L−1, 0.06 NTU turbidity and toxicity free, complying with the new European Regulation
on Water Reuse (EU 2020/741). A comparative analysis of the proposed process with regard to
conventional tertiary treatment revealed that the proposed process was 39.1% more economic, with a
cost of 0.0325 € m−3. This alternative treatment will be of great interest because of its favourable
technical–economic characteristics, being postulated as a basic process for implementation in modern
water reuse plants.

Keywords: urban wastewater treatment; water reuse; sustainable agriculture; ozonation;
continuous ultrafiltration; compounds of emerging concern; safety food; sustainable process;
new water resources; sustainable city

1. Introduction

Urbanization is one of the most significant trends of the 21st century. By 2050, it is
expected that more than 68% of the world’s population will reside in large cities, which will
mean a movement of more than 4000 million people migrating from rural areas to large
population centres [1]. Currently, many of these cities are experiencing rapid and uncon-
trolled growth, largely by people with low per capita income to which the government is
not able to provide infrastructures consistent with those of a developed city. Authors such
as Luthy et al. [2] concluded in their study of cities in California that most people living
in newly developed residential areas were living in areas with limited water availability,
and more than 68% of these new settlements in large cities lacked an adequate sanitation
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system. Many of these untreated or conventional primary treatment wastewaters end up
in ditches or urban rivers with consequent risks to public health [3].

Water pollution is one of the largest threats to health, human development and the
environment. The composition of these wastewaters generally varies depending on the
different polluting sources [4]. Domestic wastewater is characterized by a high concen-
tration of nutrients (N, P, K, Ca and Mg) and by high bacterial loads, such as pathogenic
bacteria, viruses, common protozoa (Giardia and Cryptosporidium) and helminths, which
can pose a direct threat to human health. Therefore, given the epidemiological health
hazard, eliminating pathogens is one of the objectives of wastewater treatment systems [5].
In addition, these urban wastewaters can also contain contaminants of emerging con-
cern (CECs). This category includes any synthetic or naturally occurring chemical or any
microorganism that is not commonly controlled and that can cause adverse effects on
both human health and the environment [6]. Among the main categories of CECs are
Pharmaceuticals and Personal Care Products (PPCPs) and endocrine disruptors (EDCs).
In 2013, the European Parliament expanded the classification by Directive 2013/39/EU
to include steroid hormones, surfactants, perfluorinated compounds, flame retardants,
industrial additives, drugs and UV filters. Many of these contaminants, due to their low
concentration of approximately 3 ng L−1 [7], are only regulated to a certain extent in
the European Union (EU) and USA. In the EU, the implementation of this regulation is
collected through a list of priority substances listed as CECs in Decision 2015/495/EU and
Decision 2018/840/EU. The European Commission, as it became aware of the adverse
effects of other substances not included in this list, has expanded the number of substances
to be monitored through the Registration, Evaluation, Authorization and Restriction of
Chemicals (REACH). In the USA, the CECs are regulated from the Contaminants Candidate
List of unregulated contaminants [8]. The long-term impacts of CECs are unknown since
they can bioaccumulate in aquatic species. Regulatory authorities, such as the European
Environmental Agency (EEA)—integrated by 32 Member States and seven cooperating
countries—the International Chemical Safety Program (IPCS), the World Health Organiza-
tion (WHO) and the U.S. Environmental Protection Agency (EPA) [9], are responsible for
developing regulations and directives that improve the protection and sanitary safety of
these freshwater resources.

The effects of water pollution also directly or indirectly influence the economic activity
of large cities, such as industrial production, fishing, aquaculture and tourism [10]. In short,
poor water quality hinders economic development. For this reason, large cities must
adapt to this new reality and improve wastewater management by properly treating it
and its subsequent reuse to minimize the negative impact of discharge and at the same
time maximize the economic benefits it can bring without harming the environment and
human health. This will change the way in which wastewater is viewed, becoming a
point on which to obtain an economic benefit instead of a burden to deal with [1]. One of
the potential sectors that could benefit from this new concept is horticulture. Reusing
urban wastewater in peri-urban horticultural facilities in addition to securing continuous
water resources would provide ecological services [11]. The produce obtained through
this approach would reduce the carbon footprint of the food that people eat, in addition to
modifying favourably the surrounding landscape. This solution would be most effective
in arid or semiarid areas, whose population are notably increasing. In addition, in many
countries where certain political and social conflicts makes it difficult to transport water
from one region to another, the reuse of properly treated urban wastewater would provide
a solution to this problem. Furthermore, having to construct expensive transfer pipelines,
dams, etc., would be avoided. In short, proper water management and subsequent reuse in
peri-urban agriculture would protect and optimize the use of natural resources [4,12].

For example, in Spain, one of the countries in Europe with the highest water con-
sumption per capita (800.9 m3 inhabitant−1) and with an agricultural consumption of
25.47 × 109 m3 year−1 (68.19% of total use) is the first European country with reuse ca-
pacity and one of the few that has its own legislation that regulates it through Royal
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Decree 1620/2007 [13]. In addition, the European Union, aware of a regulatory gap,
has released a new regulation on the minimum requirements that reused water must meet
(EU 2020/741) [14], with mandatory compliance within a period of 3 years, from 26 June
2023, for all countries of the European Union that will use this unconventional water source.
This new regulation aims to ensure that the quality of reclaimed water for agricultural
irrigation reaches the same levels of quality and control in all countries of the European
Union. This community regulation defines the types of crops where reclaimed waters can
be used, the minimum water quality requirements and stipulates the quality control that
these waters must comply with. The reuse of urban waters in peri-urban agriculture would
considerably reduce the environmental impact of this important economic activity and
its dependence on weather effects, freeing up resources that could be used for domestic
consumption. In turn, this approach would directly connect with the new paradigm of a
circular economy in the new cities of the 21st century [15].

Today’s purification technology generates effluents of reclaimed water of varying
quality, even up to drinking water standards. To apply them for any agricultural use, ad-
vanced tertiary treatments are required in waste water treatment plants (WWTPs) [16,17].
However, reuse is not without risks, both in terms of its possible lack of agronomic suitabil-
ity for irrigation as well as its sanitary suitability, due to the possible presence of pathogenic
microorganisms in inadequately reclaimed waters [18]. The microbiological health risks
associated with irrigating with purified water depend on several factors, which can be
grouped into (i) factors associated with the characteristics of the water and the treatment
received, among which include the microbial load and the purification system used; and (ii)
the factors derived from the manipulation of water in irrigation. To avoid any risk due to
misuse and to ensure adequate water quality for reuse, from a health and environmental
point of view, it is necessary to implement robust purification processes together with an
analytical control or self-control program.

For compliance and obtaining an effluent that meets the legal requirements for subse-
quent reuse in agriculture [5], different conventional and advanced physical and biological
treatment options have been investigated for eliminating pathogenic microorganisms and
CECs [19].

Table 1 shows the treatments that have performed best for eliminating CECs as well
as other pathogens based on the use of physical, biological or chemical treatments. Bio-
logical processes have been one of the options that have most attracted researchers due
to their low cost of implementation, ease of scaling and sustainability with the environ-
ment [20]. Among the most researched options are the active sludge process [21]. However,
these biological treatment processes are inefficient, especially with regard to pharmaceu-
tical products and are not sufficient for effectively eliminating several nonbiodegradable
CECs [22].

For physical processes, these alternatives involve the use of adsorption processes [23],
membranes, such as microfiltration [24], or ultrafiltration (UF) [4], despite the problem of
surface fouling [25]. It is noteworthy that the removal of CECs by conventional physical
treatments is unfeasible due to the low octanol/water partition coefficients [26]. According
to Table 1, UF-based processes have greater advantages in terms of longevity and sustain-
ability of the process [27], unlike processes such as adsorption, which presents difficulties
once the adsorbent is saturated and involves high reclamation costs, with the only alter-
native being landfill management or energy recovery [28]. In the case of UF, separation is
achieved mainly by the adsorption of contaminants on the surface of the membrane and
electrostatic repulsion. In any case, the retention capacity depends on the specific matrix of
the water to be treated and the presence of organic matter. Therefore, UF has application
potential for obtaining high-quality effluents since it reduces parameters such as turbidity,
suspended solids, bacteria (such as E. coli), coliforms and a wide range of CECs; it also
has a low capital investment, versatility, no generation of sludge, no odours and ease of
scaling that guarantees consistent quality of the treated water, regardless of the changes in
the influent [29]. One of the drawbacks highlighted by authors such as Kim et al. [25] is the
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appearance of fouling, which significantly influences the membrane properties, such as
porosity and hydrophobicity, in addition to operating conditions, such as pressure. There-
fore, a system that counteracts the negative effects of fouling and allows normal operation
is something that would facilitate the large-scale implementation of this technology in
urban WWTPs.

Table 1. Technologies for eliminating a wide range of contaminants of emerging concern (CECs) and mitigation of pathogenic
organisms of effluents from secondary treatment.

Type of Treatment Process Notes Ref.

Physical

Adsorption

Used carbon nanotubes (CNTs) as adsorbents for the selective removal
of CECs. Excellent removal potential of CECs such as tetracycline
(92%), amoxicillin (∼=90%) and 100% for ibuprofen, triclosan and

norfloxacin. They were not able to eliminate a wide range of CECs due
to the high selectivity of the adsorbent.

[30–32]

Membranes

Studied several membranes with different pore sizes, hydrophobicity
and surface charge. They found that ultrafiltration (UF) membranes

made of polysulfone and polyvinylidene offered a good
removal-pressure ratio applied for the removal of CECs. The UF

showed a high efficiency for certain hormonal compounds and drugs
such as diclofenac, caffeine, bisphenol A or ketoprofen but showed a
lower separation yield for phthalate esters, due to its lower polarity.

They highlighted the problems of fouling and the final removal from
the reject and backwash stream. It proved to be an effective barrier for

the removal of viruses and bacteria, suspended solids, parasites
and microorganisms.

[31,33–37]

Biological Conventional

Active sludge systems, despite being the most widely used in WWTP,
were the least efficient for removing complex mixtures of CECs due to

the specific biodegradability of each contaminant. In a WWTP in
Finland, they obtained a CEC removal efficiency of 26% for diclofenac

while for naproxen an efficiency close to 97–100%.

[38–41]

Chemical
Advanced
Oxidation

Processes (AOPs)

Among the most used processes is chlorination. It is effective for less
reactive species such as triclosan or ibuprofen. The increase in the
chlorine dose leads to the formation of oxidation products that are

more difficult to remove. In contrast, ozonation is capable of
eliminating most CECs with yields of 90–100%. However, the low

concentrations of CECs and the operational costs of ozone production
do not make it very attractive.

[42–44]

Another issue that the application of UF in the WWTP must resolve is the treatment of
the concentrates from the reject stream. This stream is composed of organic contaminants,
refractory products (such as PPCPs) and pathogenic microorganisms. Although the dis-
charge to the water medium in many cases is not sufficiently regulated, the uncontrolled
discharge of these streams into the environment is not acceptable. Here, AOPs can play
a fundamental role in treating this stream. According to Table 1, ozonation processes
demonstrate a high CEC removal yield between 90 and 100% with a high oxidation rate
due to the high reactivity of ozone and hydroxyl radicals towards many of the organic
compounds present, such as carbamazepine, diclofenac or bisphenol A, among others.
However, this requires specific reaction conditions, such as pH. In this case, a pH = 9,
which is usual for ozonation of this kind of effluent, was used [45,46]. In addition, it is a
powerful disinfecting agent capable of inactivating a wide range of pathogens, such as bac-
teria, viruses, protozoa and prion proteins, without leaving a toxic residue [47]. Added to
the outstanding advantages is that it does not generate sludge and it makes it possible to
generate ozone using renewable energy sources.

In short, this new problem of this century constitutes one of the great priority chal-
lenges society must solve. Such is the importance that the United Nations in 2015 included
it in the Sustainable Development Goals (SDGs) adopted by most countries, through SDG
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6 for Clean Water and Sanitation, which addresses the problem of water scarcity, sanitation
and hygiene, treatment and reuse of wastewater. Linked to this problem, SDG 3 for good
health and well-being, SDG 11 for sustainable cities and communities and SDG 12 for
responsible production and consumption promote the economic development of new
cities together with sustainable agriculture and proximity to population centres. In this
context, the nexus between the development of sustainable cities contributes through the
appropriate reuse of their wastewater for local, sustainable and safe agriculture. Therefore,
based on the background described, the use of a continuous ultrafiltration (c-UF) process
that mitigates the effects of dreaded fouling through a self-cleaning system together with
the treatment of the reject stream through an ozonation process is a real and low-cost
alternative to conventional tertiary treatment based on coagulation–flocculation followed
by a disinfection process using UV light or sodium hypochlorite for the efficient treatment
of CECs and pathogenic microorganisms present in the urban waters of a WWTP.

This study aims to study the reuse of effluent from a secondary treatment of a real
urban WWTP for use in agricultural irrigation through a c-UF pilot plant with a self-
cleaning system coupled to an ozonation system for treating the reject stream. For this,
the main parameters related to the quality of the treated water obtained (suspended
solids, turbidity, total organic carbon and microbiology) will be analysed for both the UF
and ozonation processes in addition to the removal yields of the most frequent CECs.
Additionally, a study will be carried out in which the operational cost of the proposed
technology and configuration will be evaluated and compared with the cost of tertiary
treatment in a conventional WWTP.

2. Materials and Methods
2.1. Reagents and Chemical Used

Acetaminophen (C8H9NO2), atrazine (C8H14CIN5), diuron (C9H10Cl2N2O), ciprofloxacin
hydrochloride (C17H19ClFN3O3), norfloxacin hydrochloride (C16H19ClFN3O3), isopro-
turon (C12H18N2O), simazine (C7H12ClN5), sulfamethoxazole (C10H11N3O3S) and trimetho-
prim (C14H18N4O3) were acquired from Fluka (Buchs, Switzerland). Amitriptyline hy-
drochloride (C20H23N), butylparaben (C11H14O3), 2-hydroxybenzothiazole (C7H5NOS),
caffeine (C8H10N4O2), clomipramine hydrochloride (C19H24Cl2N2), carbamazepine
(C15H12N2O), potassium perfluoro-1-octanesulfonate (C8F17KO3S), diclofenac sodium salt
(C14H10Cl2NNaO2), methylparaben (C8H8O3), imipramine hydrochloride (C19H24N2),
nortriptyline hydrochloride (C19H21N), perfluoro-n-octanoic acid (C8HF15O2), pheny-
toin (C15H12N2O2), potassium perfluoro-1-butanesulfonate (C4F9KO3S), progesterone
(C21H30O2), sulfadiazine (C10H10N4O2S) and testosterone (C19H28O2) were purchased
from Sigma-Aldrich (St. Louis, MO, USA). Clofibric acid (C10H11ClO3), ketoprofen
(C16H14O3), bezafibrate (C19H20ClNO4) and propranolol hydrochloride (C16H21NO2) were
acquired from MP Biomedicals (Illkirch-Graffenstaden, France). Genistein (C15H10O5),
genistin (C21H20O10) and glycitin (C22H22O10) were purchased from Extrasynthese (Lyon,
France), perfluorooctane sulfonamide (C8H2F17NO2S) from Dr. Ehrenstorfer (Augsburg,
Germany), losartan potassium (C22H22ClKN6O) from Merck (Darmstadt, Germany), val-
sartan (C24H29N5O3) and telmisartan (C33H30N4O2) from Boehringer (Ingelheim am Rhein,
Germany), irbesartan (C25H28N6O) from Sanofi (Paris, France) and eprosartan mesylate
(C24H28N2O7S2) from Solvay Pharmaceuticals (Brussels, Belgium). Acesulfame potassium
(C4H4KNO4S) and sucralose (C12H19Cl3O8) were supplied by Supelco (Bellefonte, PA,
USA). The purity of all the target analytes was >95%. Methanol (CH3OH, HPLC grade,
99.9%), ethyl acetate (C4H8O2, 99.8%) and n-hexane (C6H14, HPLC grade, 95%) were sup-
plied by Labscan (Dublin, Ireland); ethylenediaminetetraacetic sodium salt (Na2EDTA,
99.0–101.1%) and ammonia solution (25% as NH3) by Panreac (Barcelona, Spain); formic
acid (HCOOH≥ 98%) by Scharlau (Barcelona, Spain); and sodium chloride (NaCl, >99.8%),
sodium sulfite (Na2SO3, >100%) and acetic acid (CH3COOH, 100%) by Merck (Darm-
stadt, Germany).
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2.2. Equipment Used
2.2.1. Galindo WWTP

The experiments were carried out in the Galindo WWTP, located in the municipal-
ity of Sestao, in the historical territory of Bizkaia, Basque Country (43◦18′35.38′′ N and
3◦0′25.92′′ W, north of Spain). The WWTP of Galindo serves the entire area of influence
of Greater Bilbao, with a population equivalent to 1,200,000 inhabitants and is capable
of treating in secondary treatment an average daily flow of 6.0 L s−1 with a maximum
allowable in the primary treatment flow of 12 L s−1. The treatment line of this WWTP
consists of a primary, secondary and tertiary treatment, according to the following units:

• The primary treatment consists of a fine grinding unit followed by a degreasing and
grit removal system. The water from the sandblasting passes through a distribution
channel subjected to agitation where the installed rectangular decanters are sent.
In this operation, approximately 75% of the suspended solids (SS) and 50% of the
organic matter are removed.

• The secondary treatment consists of extended aeration in a biological reactor and
secondary decantation. Approximately 10 t day−1 of sludge accumulates in the
decanters, which is treated and energetically recovered to supply part of the needs of
the WWTP facilities.

• The tertiary treatment consists of a coagulation process with Al2(SO4)3 and sodium
hypochlorite (NaClO) followed by a flocculation system and subsequent lamellar
decantation. The sludge produced is sent to the water line. The clarified water is
directed to sand filters with an average filtration rate of 7.0 m3 m−2 h−1, adopting
a filtration surface of 21.0 m2. Subsequently, the water is disinfected in a chamber
consisting of 80 lamps with a nominal consumption of 250 W lamp−1 and a maximum
power consumption of 12 kW.

The effluent obtained from the Galindo plant complies with Directive 91/271/EEC
for urban wastewater treatment. The objective of this study is to propose an alternative
treatment technology that is cheaper than the existing conventional tertiary treatment and
that complies with the new regulation of the European Commission [14] in terms of water
reuse for agricultural use so that the treated effluent currently discharged into the Ballonti
River can be adequately treated with the technology described in the following section and
reused for irrigation in peri-urban agricultural facilities of Greater Bilbao.

2.2.2. Membrane Technology Coupled to Ozonisation Treatment

A part of the effluent from the secondary treatment is diverted to the c-UF pilot plant
at a flow rate of 3.3 m3 h−1. The system consists of two independent frames. In the
first frame, there are 4 UF modules (c-UF4XS, FLUYTEC, Erandio, Spain), containing
a bundle of ultrafiltration membranes inside. In this same frame is the set of valves,
pipes and instrumentation for the supply, drainage and permeate outlet. The second
frame is composed of a main water tank intended for washing, a feed and washing pump,
a compressed air system, roughing filtration (prefilter) and the corresponding valves,
pipes and instrumentation.

In this ultrafiltration unit, hollow fibre membranes made from polyethersulfone (PES)
are used, which are best suited for the operation and operate with an inside–outside
configuration. The properties of this membrane are shown in Table 2.

The c-UF plant has a self-cleaning device that extends the filtration operating time,
decreasing the number of cleaning cycles that must be performed to maintain the membrane
properties over time. This system consists of a filter that is placed prior to the c-UF
equipment, which has a self-cleaning system through a rotating purge arm, as shown in
Figure 1.

According to Figure 1, when the pressure difference between the inlet, untreated
water and outlet of the drainage pipe reaches a predetermined value, this arm goes into
operation and starts the backwashing process automatically. The arm is connected to the
filter element to be cleaned, opening a solenoid valve, which produces vacuum pressure
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inside this element. Thus, part of the filtered water is forced to pass in the opposite direction,
dragging the solids and encrustations that block the filter. This process is repeated with
each of the filter elements until the washing cycle is completed.

Table 2. Characteristics of the ultrafiltration (UF) membranes.

Membrane Type Polyethersulfone

Housing material Polyvinylchloride (PVC)
Fibre material Polyethersulfone (PES)
Active area 80.0 m2

Fibre diameter 4.0 mm
Nominal diameter of the membrane pore 20 nm
Molecular weight cut off 100 kDa
Treatment capacity 5 m3 h−1

Maximum operating temperature 40 ◦C
Recommended transmembrane pressure <1 bar
Maximum transmembrane pressure 2.5 bar
pH Range 2–11
Maximum feed silt density index SDI 5
Free chlorine tolerance <0.1 mg L−1

Figure 1. Diagram of the self-cleaning device of the c-UF pilot plant [48].

The reject stream and the wash waters were treated by an ozonation process in a
pilot-scale gas-liquid contactor connected to the c-UF equipment. The ozonisation pi-
lot system consisted of a 33.03 L stainless steel cylindrical contactor (with dimensions
795 mm × 230 mm), where the wastewater to be treated was introduced. Ozone was pro-
duced from extra pure oxygen in the ozone generator (TRIOGEN LAB2B, Triogen, De Goor,
The Netherlands) and introduced into the reactor through a gas diffuser installed at the
bottom of contactor, thus ensuring a perfect homogenization of the system. To improve
the contact between the descending liquid and ascending gas, the column is provided on
the top by a spray that atomizes the liquid. Part of the dissolution that the centrifugal
pump (TMP04.08 S GF VN2BEN3, Argal Pumps, Brescia, Italy) recirculates is thrown up
and returns to the reactor at the top where it is sprayed, which can also destroy the foams
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that are often formed due to the strong agitation of the system. The recirculation system
provides enough stirring to get a good mixture in the system.

2.3. Experimental Setup and Procedures
2.3.1. Operation of Pilot Plant

The method of operating the c-UF equipment was differentiated into two modes:
filtration mode and washing mode. During the filtration mode, dead-end filtration was
performed with an inside–outside configuration. In this way, all the water was forced to
cross the membrane from the inside out, retaining the suspended solids and solutes (CECs,
pathogenic microorganisms) on the inner surface of the fibres.

The c-UF equipment was fed through a feeding branch connected to the secondary
treatment at a rate of 3.3 m3 h−1 with a centrifugal pump (ZMR02.30 S GF V BS8 B EN3,
Argal Pumps, Brescia, Italy), installed at the bottom of the equipment. The permeate
obtained with each module, with a flow rate of 41.5 L m−2 h−1, was collected in the same
branch of the filtered product. This parameter was continuously recorded through flow
metres (FLS F3.80, Aliaxis, Okondo-Araba, Spain) (see Figure 2) to control membrane
fouling and keep the production of treated water constant. Each filter operating cycle
lasted 47 min. At the end of each cycle, the transmembrane pressure increased from the
initial 0.6 bar to 2.3 bar.

Figure 2. Diagram of the continuous ultrafiltration process coupled to the ozonation system for the
treatment of the reject stream.

The second mode corresponded to washing. This mode consisted of a sequence of
washes (flushing, backwashing and rinsing composed of Chemical Enhanced Flushing
(CEF) and Cleaning In Place (CIP)), whose main objective was to recover the initial state of
the membrane. This mode of operation effectively removed the solids and encrustations
deposited on the inner surface of the fibres. This sequence of washes was performed
module by module or in pairs, with the intention of keeping the permeate flow constant.
This process lasted 9 min, at which time the transmembrane pressure reached a pressure
of 0.6 bar. The ozonation experiments of the reject stream consisted of a batch treatment.
For this, the ozonation contactor was filled with 30.0 L of water from the reject stream.
Subsequently, ozone was introduced into the contactor through a venturi tube placed in
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the recirculation loop followed by a static mixer. In addition, the contactor was provided
with a liquid atomizer at the top to improve the gas–liquid (G-L) contact (see Figure 2).
The experiments were carried out at a temperature of 15.0 ◦C, an initial pH of 9.0, a pressure
of 1.5 bar, under constant flow of ozone (4 L min−1) and constant ozone concentration
at the inlet of 6.4 mg L−1 during 180 min. The system pressure was controlled with a
manometer (111.10, Wika Instruments, Barcelona, Spain) and the ozone concentration in
the gas phase was monitored with an ozone analyser (BMT 964C, BMT MESSTECHNIK
GMBH, Stahnsdorf, Germany). The dissolved ozone concentration in the liquid phase and
temperature were measured with a probe (Rosemount 499AOZ-54, Emerson, Alcobendas,
Spain). The pH was controlled with a probe (Rosemount 399-09-62, Emerson, Alcobendas,
Spain), integrated with an ozone probe in a recorder (Rosemount Solu Comp II, Emerson,
Alcobendas, Spain). Gas-phase residual ozone was removed with a thermocatalytic ozone
destructor (KVM 20-2, ZonoSistem, El Puerto de Santa María, Spain). All experiments were
conducted in duplicate.

2.3.2. Sampling Method

The analysed samples of the influent and effluent of the c-UF process and the ozonation
of the reject stream were collected according to the procedure established by the EPA [49]
for composite samples. Samples composed of 2.0 L were collected in triplicate over four
selected days in May 2019. On each day, the samples were collected at 4 different hours
that were sufficiently representative, taking into account the variable wastewater stream
and contaminant concentration (8:00, 12:00, 15:00 and 20:00 h). Each 2.0 L sample in turn
consisted of 4 subsamples taken every 5 min around the sampling time. For the feed
influent of the c-UF plant, the hydraulic retention times of the secondary treatment were
considered, which fluctuated between 28 and 38 h, depending on the organic load of the
raw wastewater.

The samples were collected from authorized sampling points. Once collected they
were transported to the laboratory in a portable cooler (4 ◦C). The collected samples were
filtered with a 0.45 µm MF-Millipore membrane (Merck KGaA, Darmstadt, Germany) for
the subsequent identification and quantification of CECs. In the case of the samples taken
from the ozonator, sodium bisulphite was used as a reducing agent to stop the ozone
reaction at a rate of 2.2 g Na2SO3 g of O3

−1 [50].

2.4. Analytical Techniques

The identification and determination of the concentration of the CECs present in the
water samples were analysed in triplicate according to the analysis method described by
Mijangos et al. [51]. The method consisted of taking 100.0 mL of each sample to which
4.25 mL of Na2EDTA (0.2 M) and 0.8 mL of an HCOOH solution were added to acidify the
sample to pH = 2.0. The CECs were subjected to solid-phase extraction (SPE) (OASIS-HLB,
hydrophilic–lipophilic-balanced, 200 mg, Waters, Milford, USA). The cartridge was previ-
ously conditioned with 5.0 mL of methanol (CH3OH), 5.0 mL of Milli-Q water (MQ) and
5 mL of acidified Milli-Q water at pH = 2.0. Subsequently, the cartridges were rinsed with
6 mL of Milli-Q water to remove any impurities that could interfere with the analysis. Then,
the SPE cartridges were vacuum-dried for 1 h. The sample was loaded into the cartridge
at a constant flow of 5.0 mL min−1. Methanol (6.0 mL) was used to elute the analytes
to subsequently evaporate the extract at 35.0 ◦C under a nitrogen stream. Finally, before
introducing the samples into the liquid chromatography with tandem mass spectrometry
(LC-MS-MS) equipment, they were reconstituted in 200.0 µL of a CH3OH:H2O phase (30:70,
v:v) and filtered with a 0.22 µm polypropylene filter (Phenomenex, Torrance, CA, USA).

The LC–MS-MS analysis was performed using an Agilent 1260 series HPLC chromato-
graph coupled to an Agilent 6430 triple quadrupole (QqQ) mass spectrometer equipped
with an electrospray ionization source (ESI) (Agilent Technologies, Palo Alto, CA, USA).
The separation of the target analytes was carried out using a Kinetex F5 100 Å core-shell
2.1 mm × 100 mm, 2.6 µm column coupled to a Kinetex F5 pre-column 2.1 mm × 4.6 mm,
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2.6 µm (Phenomenex, Torrance, CA, USA). Then, 10 µL of sample was injected into the
system and the column was maintained at 35 ◦C during the chromatographic run. The sep-
aration was performed at a constant flow of 0.3 mL min−1 under gradient elution with a
binary mixture of: H2O:CH3OH (95:5, v:v) (mobile phase A) and CH3OH:H2O (95:5, v:v)
(mobile phase B), both containing 0.1% formic acid. The gradient profile started with 30% B,
which was increased to 50% after 4 min and maintained for 12 min. Then, it was increased
to 90% B, where it was maintained for 10 min. Initial gradient conditions (30% B) were then
achieved in 6 min, where it was finally held for another 10 min (post-run step). Electrospray
ionization was carried out using a N2 flow rate of 12 L min−1, a capillary voltage of 3500 V,
a nebulizer pressure of 3.0 bar and a source temperature of 350 ◦C. Quantification was
performed recording the three most intense transitions for each analyte. Both voltages,
according to the target analytes, were simultaneously applied in a single injection.

The determination of suspended solids (SS) was carried out according to the proce-
dure described in ISO 11923:1997, “Water quality—Determination of suspended solids by
filtration through glass-fibre filters”. Turbidity was analysed using the turbidimeter Eutech
TN-100 (Thermo Scientific, Singapore). The degree of mineralization was quantified by
dissolved organic carbon (DOC) analysis on a Shimadzu TOC-VSCH analyser with ASI-V
autosampler (Izasa Scientific, Alcobendas, Spain). Toxicity was evaluated in duplicate
using the Microtox® bioassay in a Microtox® toxicity analyser, Azur 500 model (Micro-
bics Corp., New Castle, Delaware, USA). The measurements were carried out according to
ISO 11348-3 (1998), “Water Quality—Determination of the inhibitory effect of water sam-
ples on the light emission of Aliivibrio fischeri (Luminescent bacteria test)—Part 3: Method
using freeze-dried bacteria” [52]. The results of this assay are usually expressed as EC50,
which represents the percentage of sample dilution (%, v:v) that causes a 50% reduction
in bacteria luminescence after 15 min of exposure. The Toxicity (TU) parameter used was
defined according to Equation (1) [46]:

Toxicity =
C0

EC50
(1)

where C0 corresponds to the concentration of the compound used to obtain its EC50 value.
Total coliforms and Escherichia coli (E. coli) measurements were analysed according with the
Standard Methods for the Examination of Water and Wastewater, 9222 B and 9221 B, in a
laboratory incubator Culture Model 153 (Hach Lange GmbH, Düsseldorf, Germany) [52].

3. Results and Discussion
3.1. Application of c-UF for the Removal of CECs from a Secondary Treatment
3.1.1. Characterization of the Influent and Effluent at Galindo WWTP

The influent and effluent of the Galindo WWTP during May 2019 were characterized.
Table 3 shows the maximum, minimum and mean values of the different parameters
analysed, as well as the standard deviation. The values of the different parameters observed
indicate that the WWTP treats medium pollution loads [53].

The variability observed between the maximum and minimum values is due to the
different lifestyle habits of the population served by the Galindo WWTP. Regarding CECs
in these waters, concentrations similar or lower than those detected in other WWTPs
around the world were identified. For example, in Greece, they detected ciprofloxacin
concentrations of 460 ng L−1 [54], and in Rome, caffeine concentrations of 20 µg L−1 [55].

The removal of parameters such as dissolved organic carbon (85.2%) and toxicity
(<1 TU) shows that the WWTP of Galindo achieves a quality effluent in accordance with
Spanish regulations (Royal Decree Law 11/1995). However, certain CECs, such as 2-
hydroxybenzothiazole or carbamazepine, yielded 64.6% and 14.1%, respectively. According
to Machado et al. [56] or Egea-Corbacho et al. [55], not completely eliminating CECs could
create problems in human health for reuse applications in agricultural activities and the
environment due to their low biodegradability.
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Table 3. Physicochemical characterization of the treated wastewater at Galindo WWTP (May 2019).

INFLUENT EFFLUENT

MIN MAX AVERAGE S.D. MIN MAX AVERAGE S.D.

Suspended Solids (mg L−1) 145 322 233.5 102.19 1.2 5.6 3.4 2.54
Turbidity (NTU) 67 385.8 226.4 184.06 8.0 11.0 9.5 1.73

pH 5.6 8.9 7.32 1.82 8.1 8.5 8.3 0.23
DOC (mg C L−1) 37.4 87.7 62.55 29.04 6.82 11.75 9.28 2.85

BOD5 (mg O2 L−1) 201 324 262.5 71.01 3 5 4 1.15
E. coli (CFU 100 mL−1) 1.66 × 105 5.35 × 105 3.51 × 105 2.13 × 105 236 2400 793 1071.76

Total coliforms (CFU 100 mL−1) 4.3 × 106 7.1 × 109 5.0 × 108 1.71 × 109 1.1 × 105 3.20 × 108 2.95 × 107 8.06 × 107

Toxicity (TU) 11.1 51.7 32 17.21 <1 <1 <1 0.0
Ammonium (mg NH4

+ L−1) 28.1 52.3 41.35 12.15 0.10 0.75 0.425 1.38
Temperature (◦C) 11.6 14.6 13.1 1.73 12.7 15.2 13.95 1.44

2-Hydroxybenzothiazole (ng L−1) 219 422 288 91.85 98.55 105.5 102.025 4.91
Acesulfame potassium (ng L−1) 4102 5851 5021.5 716.22 205.1 58.51 131.805 103.65

Amitriptyline hydrochloride (ng L−1) 68 112 79.75 21.55 54.4 56 55.2 1.13
Bezafibrate (ng L−1) 199 474 288 128.24 59.7 94.8 77.25 24.82

Caffeine (ng L−1) 16,047 31,704 22,019.75 6828.34 160.47 317.04 238.755 110.71
Carbamazepine (ng L−1) 86 120 103 17.47 81.7 96 88.85 10.11

Ciprofloxacin hydrochloride (ng L−1) 51 79 65.5 11.70 33.15 39.5 36.325 4.49
Diclofenac sodium salt (ng L−1) 458 766 624.5 134.30 206.1 306.4 256.25 70.92

Diuron (ng L−1) 57 174 113.5 55.92 54.15 130.5 92.325 53.99
Eprosartan mesylate (ng L−1) 799 1588 1077.5 356.09 319.6 397 358.3 54.73

Phenytoin (ng L−1) 36 49 42.75 5.56 32.4 34.3 33.35 1.34
Genistein (ng L−1) 739 1198 1078 226.07 0.0 0.0 0.0 0.0
Irbesartan (ng L−1) 714 1070 858.75 150.35 642.6 909.5 776.05 188.73

Isoproturon (ng L−1) 2 3 2.25 0.50 2.0 1.8 1.9 0.14
Ketoprofen (ng L−1) 579 1117 801 243.72 86.85 111.7 99.275 17.57

Losartan potassium (ng L−1) 917 1723 1240.75 352.23 275.1 344.6 309.85 49.14
Methylparaben (ng L−1) 2094 8400 4642.5 2814.78 0.0 0.0 0.0 0.0

Norfloxacin hydrochloride (ng L−1) 233 452 353.25 90.27 128.15 203.4 165.775 53.21
Acetaminophen (ng L−1) 48,352 112,762 66,523 30,933.75 483.52 1127.62 805.57 455.45

Perfluorooctane sulfonamide (ng L−1) 148 302 212.25 64.63 148 166.1 157.05 12.80
Progesterone (ng L−1) 205 276 241 29.02 0.0 0.0 0.0 0.0

Propranolol hydrochloride (ng L−1) 17 24 21.75 3.20 13.6 16.8 15.2 2.26
Sulfamethoxazole (ng L−1) 1350 8828 3799.25 3406.83 472.5 1765.6 1119.05 914.36
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Table 3. Cont.

INFLUENT EFFLUENT

MIN MAX AVERAGE S.D. MIN MAX AVERAGE S.D.

Telmisartan (ng L−1) 593 1476 1039.75 455.53 415.1 885.6 650.35 332.69
Testosterone (ng L−1) 61 107 85.75 21.87 0.0 0.0 0.0 0.0

Trimethoprim (ng L−1) 558 851 747.25 131.70 195.3 85.1 140.2 77.92
Valsartan (ng L−1) 10,072 30,979 17,633.5 9407.63 503.6 309.79 406.695 137.04
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3.1.2. Removal Yields of CECs in the c-UF Pilot Plant

In Table 4, the removal yields of the CECs detected in the Galindo WWTP were
analysed, both for the biological treatment and for the c-UF plant following this process.

Table 4. Removal yields of the different CECs in the secondary treatment and through the c-UF pilot
plant with a self-cleaning system.

Compound (ng L−1)

Removal in Secondary
Treatment (%) Removal in c-UF Plant (%)

MIN MAX AVERAGE MIN MAX AVERAGE

2-hydroxybenzothiazole 59.5 71.4 68.6 1.1 35.2 27.3
Acesulfame potassium 94.9 96.4 95.4 17.0 21.7 19.8

Amitriptyline
hydrochloride 20.5 48.6 13.5 54.6 71.1 63.9

Bezafibrate 72.9 80.7 77.6 25.7 43.2 34.3
Caffeine 99.8 99.8 99.8 0.0 33.5 25.6

Carbamazepine 5.2 21.9 8.7 19.0 31.2 28.4
Ciprofloxacin
hydrochloride 36.3 46.9 40.2 14.9 19.2 16.7

Diclofenac sodium salt 56.0 58.9 54.0 14.4 39.4 29.0
Diuron 4.0 25.8 20.0 14.3 32.8 29.5

Eprosartan mesylate 61.0 73.0 70.6 17.5 18.6 18.2
Phenytoin 7.0 26.9 24.4 25.4 39.0 26.8
Genistein 100.0 100.0 100.0 — — —
Irbesartan 9.0 14.6 7.2 12.9 29.0 15.3

Isoproturon 0.0 50.0 33.3 0.0 75.0 62.5
Ketoprofen 84.6 91.7 87.8 21.5 61.3 40.4

Losartan potassium 70.5 79.9 78.1 16.0 22.8 22.7
Methylparaben 100.0 100.0 100.0 — — —

Norfloxacin
hydrochloride 46.1 55.3 53.2 21.0 32.9 24.8

Acetaminophen 99.5 99.8 99.6 0.0 45.7 43.5
Perfluorooctane

sulfonamide 0.0 72.9 31.3 36.3 55.3 48.4

Progesterone 100.0 100.0 100.0 — — —
Propranolol

hydrochloride 7.1 47.4 20.0 12.9 34.9 18.5

Sulfamethoxazole 67.3 95.4 83.7 1.2 75.2 10.2
Telmisartan 6.2 60.5 37.3 5.5 59.1 23.3
Testosterone 100.0 100.0 100.0 — — —

Trimethoprim 66.3 87.4 72.3 35.3 64.4 27.0
Valsartan 91.0 97.0 95.3 7.7 79.7 23.0

The variability of the observed yields for the different CECs is due to the strong depen-
dence of the water stream treated in the WWTP with the precipitations [57]. It was observed
that CECs such as genistein or progesterone were completely removed in the secondary
treatment, in line with what was observed by Gros et al. [58], due to removal mecha-
nisms based on adsorption and biodegradation. According to the study by Yu et al. [59],
of the two possible pathways, biodegradation under aerobic conditions would be the main
pathway removing both compounds.

However, drugs such as phenytoin (24.4%), irbesartan (7.2%) or carbamazepine (8.7%)
were observed to be completely refractory to biological treatment [60]. Guedes-Alonso et al. [61]
obtained carbamazepine removal yields of 5.7%, which are similar to those obtained in the
Galindo WWTP. This low removal yield of carbamazepine is due to its molecular structure
and hydrophilicity. For irbesartan or phenytoin, removal yields were similar to those
observed by Das et al. [62] (with 21.1% and 6.5%, respectively) because these antibiotics
induce an inhibition process of biocenosis [63].
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Regarding the removal of CECs by ultrafiltration, it was observed that compounds
such as amitriptyline (63.9%) and perfluorooctanesulfonamide (48.4%) performed better
than others such as ciprofloxacin (16.7%) or sulfamethoxazole (10.2%). The difference in
performance is due to the changing adsorption capacity of the filter membrane according to
the CEC. Ferreiro et al. [9] studied the adsorption mechanism that occurred in an ultrafiltra-
tion process at certain concentrations of CECs, such as amitriptyline or sulfamethoxazole.
According to the adsorption equilibria of such compounds [9], the high concentration of
both CECs at the c-UF inlet favours retention during filtration.

To evaluate the efficiency of this c-UF unit, it is necessary to evaluate and determine a
recovery factor, Y (%), that takes into account the overall performance of this operation,
as defined in Equation (2):

Y =
QP

QA
· 100 =

(
1− QR

QA

)
· 100 (2)

where QP is the permeate stream, QA is the feed stream and QR is the reject stream in
m3 h−1. According to Equation (2), the recovery rate associated with the c-UF unit was
97.9% for 425.67 min, in which a complete cycle of ultrafiltration followed by washing
occurred. The recovery obtained from this c-UF system is slightly higher than that obtained
by other ultrafiltration systems studied in the literature. Fan et al. [64] studied the influence
that materials had on the operation of ultrafiltration modules on a pilot scale. According
to this study, they obtained recoveries of 93.5%, 95.3% and 95.9% for the modules built in
PES, polyvinylidene fluoride (PVDF) and polyacrylonitrile (PAN), respectively. The slight
increase in the recovery factor of 4.4% is largely due to the c-UF self-cleaning system,
which is explained in the following subsection.

3.1.3. Effect of the Self-Cleaning System on the Water Quality

To evaluate the effect of self-cleaning, the suspended solids (SS), turbidity and dis-
solved organic carbon (DOC) were followed both in the permeate and in the flushing and
backwashing operations (see Figure 3). A significant reduction of 87.5% in SS was observed
in the permeate stream. In contrast, the streams corresponding to washing the membranes
presented a much higher SS concentration compared to the feed stream. It should be noted
that within the washing cycle, flushing had the highest SS removal (71 mg L−1), while for
backwashing, only 30 mg L−1 was removed. This indicates that the washing cycles are
not nearly effective enough to partially recover the yield at the beginning of the filtration
operation. According to Bourgeous et al. [65], this inefficiency is due to progressive fouling
over time, either by solid material encrusting on the membrane surface or deposition and
accumulation of particles in the form of gel inside the pores. The differences observed
in the degree of SS removal between the four selected days explain the variability of the
characteristics of the effluent from the secondary treatment.

Regarding the experiments performed with the self-cleaning system, a reduction in
SS of 90.1–100% in the permeate stream was observed (see Figure 3b). This is because
this novel system prevents the formation of a cake and the accumulation of a number of
particles that block the membrane surface. Installing a self-cleaning system reduces the
concentration of solids between 38 and 60%. This improvement is also noticeable in the
wash streams, in which there was a lower concentration of solids in the flushing streams
of 32.0 mg L−1.

With respect to turbidity, Figure 3c illustrates that, without using the self-cleaning
system, the reduction in turbidity was between 63 and 83%. On the other hand, with respect
to the washing streams, a very high turbidity of 26.2 NTU was observed in flushing.
These yields are in line with those obtained by authors such as Chen et al. [66] with a
PVDF membrane, in which they achieved a reduction of 60% with an initial turbidity of
20 NTU. This decrease in yield may be because a large number of particles distributed
along the membrane surface were able to form a layer in the form of a cake so thick that it
contributed to the fouling of the membrane [67].
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Figure 3. Comparison of the traditional c-UF system and self-cleaning c-UF on an effluent from the secondary treatment.
Evaluation of macroscopic parameters of water quality: (a) suspended solids (SS); (c) turbidity; and (e) dissolved organic
carbon (DOC); (b,d,f) with self-cleaning system.

Regarding the use of the self-cleaning system with the c-UF unit, Figure 3d shows
a greater reduction in turbidity than that achieved without it, obtaining a reduction of
between 95 and 96% in the permeate. On the other hand, according to Figure 3d, with the
self-cleaning system alone, it was possible to reduce de facto by 12–25% the turbidity of
the effluent from the secondary treatment. In addition, the wash stream corresponding to
flushing showed a very high turbidity, somewhat indicative of a more efficient operation
of the system, unlike a conventional UF system. From the SS and turbidity analyses,
it was observed that similar trends followed in terms of greater production efficiency in
the presence of the self-cleaning system. Likewise, there is a relationship between SS and
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turbidity, as studied by Oliveira et al. [68], in which they observed that a decrease in solids
necessarily implied a decrease in turbidity in the water.

In addition to SS and turbidity, the removal of dissolved organic carbon (DOC) was
studied, as shown in Figure 3e,f. It was observed that the yields achieved in the c-UF system
without the self-cleaning system did not exceed 15–25%. This is mainly because ultrafiltra-
tion processes are not the most effective for removing dissolved organic material [37,69].
When the self-cleaning system is included, it did not bring with it a significant reduction
since the small observed improvement of 2.6% was within the range of experimental error.
For the effective removal of dissolved organic matter, a nanofiltration membrane would
be required, which would be totally inadvisable because of the fouling problem, causing
a rapid blockage of the membrane pores that would prevent maintaining an adequate
permeate stream for the process [70]. Another aspect that would contraindicate its use
would be the high energy cost involved since an operating pressure of at least 5–20 bar is
necessary [71].

In addition to the presence of CECs, another risk involved in the reuse of these
resources of water is the presence of harmful microorganisms, which frequently produce
toxic compounds once they come into contact with humans [72]. Therefore, the presence of
E. coli bacteria, total coliforms and toxicity were studied as macroparameters indicative of
the quality of the water intended for reuse, as shown in Table 5.

Table 5. Evaluation of the removal of toxicity and microbial density using c-UF technology with and without a self-
cleaning system.

Process Value
Parameter

Toxicity
(TU)

E. coli
(CFU 100 mL−1)

Total Coliforms
(CFU 100 mL−1)

c-UF inlet Secondary
treatment effluent

MIN 11.1 1.66 × 105 4.30 × 106

MAX 51.7 5.35 × 105 7.10 × 109

AVERAGE 32 3.51 × 105 5.00 × 105

S.D. 17.21 2.13 × 105 1.71 × 109

c-UF outlet without
self-cleaning system

Permeate

MIN <1 0 0
MAX <1 2 10

AVERAGE <1 0.7 6
S.D. 0.0 1.01 5.03

Flushing

MIN 20.5 3.07 × 105 7.96 × 106

MAX 95.6 9.90 × 105 1.31 × 1010

AVERAGE 44.3 5.51 × 105 3.23 × 108

S.D. 38.4 3.46 × 105 7.49 × 109

Backwashing

MIN 18.4 2.74 × 105 6.88 × 106

MAX 85.8 8.83 × 105 1.14 × 1010

AVERAGE 39.8 4.92 × 105 2.80 × 108

S.D. 34.4 3.09 × 105 6.48 × 109

c-UF outlet with
self-cleaning system

Permeate

MIN <1 0 0
MAX <1 0 0

AVERAGE <1 0 0
S.D. 0.0 0 0

Flushing

MIN 18.3 2.74 × 105 7.10 × 106

MAX 85.3 8.83 × 105 1.17 × 1010

AVERAGE 39.5 4.92 × 105 2.88 × 108

S.D. 34.2 3.09 × 105 6.68 × 109

Backwashing

MIN 15.8 2.36 × 105 6.11 × 106

MAX 73.4 7.60 × 105 1.01 × 1010

AVERAGE 34.0 4.23 × 105 2.48 × 108

S.D. 29.5 2.66 × 105 5.75 × 109
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According to Table 5, regardless of whether the self-cleaning system was used in the
c-UF module, both E. coli and total coliforms were completely removed in the permeate
stream. The pathogen removal yield of this system is in line with that observed by other
researchers in which they inactivated E. coli in ranges ranging between 80 and 99% and
between 95 and 100% [73,74]. The complete removal of pathogenic microorganisms together
with the low levels of turbidity observed in the permeate stream below 1 NTU for both
situations indicates that when the large particles are completely removed, this tends to
eradicate the pathogens since they are not able to adhere to or remain embedded in the
particles where they can reproduce more effectively [73]. In addition, this is because
the pore size of the membrane (20 nm) is small enough to retain and block the passage
of coliform species [75]. The results observed in the wash streams, both flushing and
backwashing, indicate that the functioning of the c-UF wash cycles is adequate to notably
increase the presence of coliforms and E. coli. However, when the self-cleaning system is
included, it was observed that this would increase the operating times of water production
by eliminating a lower volume of pathogens that would have been retained on the surface
of the membrane. The same was observed by Slavik et al. [76] in a study that evaluated
the impact of washing procedures on filtration productivity. According to this study,
the backwashing mode had no impact on the efficiency of water production but did on
the length of each cycle, which can be prolonged by optimizing the washing operations or
introducing some type of additional system cleansing that avoids the irreversible adhesion
of the retained compounds and particles.

Although UF technology is highly efficient at removing SS and pathogenic microorgan-
isms, it is important to demonstrate that it is also effective in removing other compounds
that could not be detected, either due to their low frequency of appearance or the low
concentrations presented, below the limits of detection of the analytical techniques [9].
According to Table 5, it was observed that, in both systems, the toxicity decreased sharply
until reaching a value less than 1. This indicates that the effluent produced was not toxic
and that the UF operation was efficient enough to also retain the compounds identified
as unknown.

3.2. Reject Stream Treatment via Ozonation Technologies
3.2.1. Analysis of Ozonation Removal Yields

To reduce the environmental impact of the UF operation and increase water produc-
tion, the reject streams were treated in an ozonation process. In Table 6, the removal yields
obtained from the identified CECs and the overall yield are shown. For this, the part
removed during secondary treatment and the c-UF operation itself were taken into account.

In general, the high oxidation selectivity of ozone was observed due to its particu-
lar electronic structure. Molecular ozone was more effective with CECs that contained
functional groups such as amines, phenols and double bonds [45,77,78]. This is because
these CECs can be more easily degraded into degradation byproducts and acids by redox
reactions and electrophilic substitution reactions. According to Table 6, in general, all iden-
tified CECs were completely removed with the exception of 2-hydroxybenzothiazole and
caffeine, with 39.7% and 38.1%, respectively. This is because they are two of the CECs
most refractory to ozonation. In the case of 2-hydroxybenzothiazole, the low yield is
due to the low selectivity and reactivity of the hydroxyl radicals towards this compound.
This was observed by Valdés et al. [79] in a study where they determined that the direct
reaction with ozone was more selective and reactive (k = 2.3 M−1 s−1) than the indirect
reaction at an alkaline pH (k = 5.6 × 10−9 M−1 s−1). Regarding the yield of caffeine,
at pH = 7.02, the degradation kinetic constant (k = 0.92 M−1 s−1) was significantly lower
than that corresponding to 2-hydroxybenzothiazole. Rosal et al. [80] observed that the
presence of an intermediate reaction during the ozonation of caffeine could promote a
stronger ozone decomposition. For other compounds, such as trimethoprim, with a higher
removal percentage (97.8%), authors such as Kuang et al. [81] observed that the major
contributors to the oxidation reaction were hydroxyl radicals, while the molecular ozone
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pathway played a minor role. Regarding the overall removal yield, those CECs removed
via biological treatment, such as valsartan (96.4%) or acetaminophen (99.7%), had better
removal yields than the less biodegradable and more recalcitrant compounds, such as
carbamazepine (45.2%) or irbesartan (35.3%). This would partly explain the importance of
secondary treatment in the removal of CECs, apart from a significant improvement of the
c-UF system itself through the incorporation of a self-cleaning system. The improvement
resulting from secondary treatment implies a mitigation of problematic fouling on the
membrane surface and a greater rejection of hydrophobic drugs [82].

Table 6. Removal yields obtained after ozonation of the CECs identified in the reject stream from the self-cleaning c-UF
system. Experimental conditions: FG = 1.6 mg min−1, P = 1.5 bar, CO3 = 6.4 mg L-1, pH0 = 9.0, T = 15.0 ◦C and V = 30.0 L.

Compound
INFLUENT EFFLUENT

Removal by
Ozonation (%)

Overall
Removal (%) 1Average

(ng L−1)
S.D. Average

(ng L−1)
S.D.

2-hydroxybenzothiazole 235.5 43.97 142.0 40.81 39.7 77.0
Acesulfame potassium 242 40.81 23.25 4.35 90.4 96.5

Amitriptyline hydrochloride 46.25 5.85 0.0 0.00 100.0 85.7
Bezafibrate 48.25 12.82 0 0.00 100.0 84.8

Caffeine 67 26.44 41.5 14.20 38.1 99.8
Carbamazepine 117.75 28.91 0.0 0.00 100.0 45.2

Ciprofloxacin hydrochloride 25.5 5.80 0.0 0.00 100.0 61.6
Diclofenac sodium salt 276 82.58 12.5 2.38 95.5 78.3

Diuron 107.5 17.33 0.0 0.00 100.0 45.0
Eprosartan mesylate 207.5 49.68 0.0 0.00 100.0 73.0

Phenytoin 43.5 8.10 0.0 0.00 100.0 48.6
Irbesartan 609.5 194.94 0.0 0.00 100.0 35.3

Ketoprofen 98.5 10.41 0.0 0.00 100.0 93.0
Losartan potassium 215.5 46.22 0.0 0.00 100.0 80.0

Norfloxacin hydrochloride 74 14.54 0.0 0.00 100.0 83.5
Acetaminophen 186 23.01 0.0 0.00 100.0 99.7

Perfluorooctane sulfonamide 796 202.24 0.0 0.00 100.0 85.0
Propranolol hydrochloride 17 4.40 0.0 0.00 100.0 47.9

Sulfamethoxazole 119.75 14.97 0.0 0.00 100.0 77.8
Telmisartan 393.5 125.82 0.0 0.00 100.0 71.1

Trimethoprim 178.5 25.49 4.0 4.62 97.8 82.2
Valsartan 452.75 62.54 0.0 0.00 100.0 96.4

1 This yield considers the part removed via secondary treatment, as well as the c-UF process and the ozonation of the reject stream.

As in the permeate stream, in the monitoring of the c-UF-treated reject stream, the mi-
crobiological parameters were evaluated. Figure 4 summarizes the toxicity and microbial
density measured, such as E. coli and total coliforms, during the ozonation process of the
reject stream.

According to Figure 4, the waters from the reject stream of the c-UF operation con-
tained 2.9 × 105 colonies in 100 mL of faecal coliforms. However, as expected, the analysis
of pathogenic microorganisms after ozonation revealed the absence of bacteria such as
E. coli with an ozone dose of 6.4 mg L−1 and a contact time of 180 min. On the other hand,
total coliforms were completely removed from all samples and days analysed. This result is
in line with that observed by Iakovides et al. [83] in a bubble reactor in which a WWTP ef-
fluent from a secondary treatment was ozonized. With a hydraulic retention time of 20 min,
a dose of 0.75 g O3 g DOC−1 was able to completely inactivate E. coli. Ostoich et al. [84]
completely inactivated faecal coliforms below the detection limit of <0.01 CFU mL−1 by
ozonation in a WWTP, using ozone doses ranging from 10 to 15 mg L−1 and a contact
time of 30 min. Another study focused on the inactivation of pathogenic microorganisms
by ozonation with different contact times and ozone doses up to 50 mg L−1 and showed
that more than 99% of heterotrophs, enterococci and total coliforms were removed in just
30 min [85].
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Figure 4. Reduction in toxicity and pathogenic microorganisms averaged over the 4 days analysed
by applying an ozonation treatment. Experimental conditions: FG = 1.6 mg min−1, P = 1.5 bar,
CO3 = 6.4 mg L−1, pH0 = 9.0, T = 15.0 ◦C and V = 30.0 L.

Regarding the toxicity of the ozonated effluent, it was observed that after 180 min
of reaction, the toxicity was <1 TU. This result is similar to that observed in the permeate
stream of the c-UF. This corroborates the complete removal and mineralization of the
identified CECs towards more biodegradable and lower molecular weight compounds [17].

3.2.2. Kinetic Analysis of the Ozonation Process

During the treatment of wastewater, SS is a crucial parameter for the analysis of the
quality of water intended for reuse in agriculture. SS is a parameter that indicated the
degradation of pollutants present in wastewater. In addition, they can act as a reservoir
for pathogenic microorganisms due to their ease of adhering to particle surfaces [68]. Con-
sequently, determining the relationship that SS could have with other global parameters,
as other authors have done by associating suspended solids with turbidity, is necessary. Ac-
cording to Serajuddin et al. [86], SS are essentially constituted by organic matter. Currently,
there is no correlation that relates SS with total organic carbon (TOC), unlike turbidity,
for which there are already a few studies [68,87] concerning the waters of the Elbe River [86],
despite finding significant seasonal variability. In this sense, considering dissolved organic
carbon (DOC) could yield more reliable and accessible information for the monitoring
of SS, which would include pathogenic microorganisms.

Considering that SS (mg L−1) is constituted by an oxidizable part (oxidizable sus-
pended solid, OSS) and a non oxidizable part (NOSS), which persist at the end of oxidation,
the initial concentration of the OSS (OSS0, mg L−1) can be quantified in terms of TOC
according to the following expression:

OSS0 = SS0 − NOSS (3)

Ozonation was monitored through the soluble organic matter (SOM) from the SS
along with the existing SOM. The solubilization and subsequent degradation of OSS can
be described through the following serial process:

OSS
k1−→ SOM

k2−→ Mineralization (4)

In addition, taking into account the existence of an initial concentration of soluble
organic matter (SOM0, mg L−1) and assuming first-order reactions in Equation (4), the vari-
ation in SOM throughout ozonation can be described according to Equation (5) [88].

SOM =
OSS0 · k1

k2 − k1
· [exp(−k1 · t)− exp(−k2 · t)] + SOM0 · exp(−k2 · t) (5)
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The first-order constant k1 (min−1) of this model represents the appearance of SOM as
a consequence of the dissolution of SS. On the other hand, a first-order constant k2 (min−1)
corresponds to the degradation of the SOM due to the action of the NOSS until reaching
the residual value. Figure 5 shows the evolutions of SS and SOM for the ozonized reject
stream fitted to the first-order serial kinetic model previously proposed.

Figure 5. Evolution of the kinetics of SOM removal (a) and SS removal (b) fit to the first-order serial model. Experimental
conditions: FG = 1.6 mg min−1, P = 1.5 bar, CO3 = 6.4 mg L−1, pH0 = 9.0, T = 15.0 ◦C and V = 30.0 L.

The k1 and k2 (min−1) kinetic constants modelled in Table 7 were fit to the exper-
imental values, minimizing the value of the mean standard deviation (σ), as shown in
Equation (6) [89]:

σ =

√√√√√ n
∑

i=1

(
Cexp−Csim

Cexp

)2

N − 1
(6)

where N is the number of experimental points and Cexp and Csim in mg L−1 are the
experimental and simulated values obtained from simulating the first-order serial model,
respectively. The mean standard deviation was less than 5.5% in all cases and demonstrates
that through SOM monitoring, the removal of SS during an ozonation process can be
extrapolated for WWTP streams.

Table 7. Kinetic parameters determined from the serial kinetic model proposed for predicting the SS
from the SOM.

Parameters
Experiment

Day 1 Day 2 Day 3 Day 4

k1 (min−1) 0.0438 0.0279 0.0308 0.0212
k2 (min−1) 0.0525 0.0334 0.0369 0.0254

σ 0.0430 0.0520 0.0550 0.0310
ηO3 (mg O3 (mg SOM−1)) 31.20 21.44 23.70 15.08

According to the proposed model, the higher the constants k1 and k2 are, the greater the
SS and SOM removal rates. Consequently, a better ozonation behaviour was found in the ex-
periment corresponding to Day 1, with a constant k1 = 0.0438 min−1 and k2 = 0.0525 min−1.
According to Table 7 and the evolutions shown in Figure 5, the observed divergences could
be due to the variability in the nature of the pollutant load of the reject stream, typical of
systems highly influenced by the habits of the population [17]. However, the proposed
model showed its robustness under different scenarios.

To estimate the efficiency of the ozonation treatment, Table 7 shows the parameter ηO3
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(mg O3 mg SOM−1) proposed by Álvarez et al. [90], through Equation (7), which relates
the ozone consumed per mg of SOM removed:

ηO3 =

FG ·
t∫

0
CO3 − CO3,out · dt

V · (SOM0 − SOM)
(7)

where FG is the gas stream (mg min−1), CO3 ,out (mg L−1) are the concentrations of ozone in
the gas phase at the outlet of the reactor and V is the volume of treated water (L).

Ozone consumption was on the order of ∼=20.0 mg O3 (mg SOM)−1, similar to that
observed by other authors, such as Álvarez et al. [90], with 19 mg O3 (mg SOM)−1,
or Ferreiro et al. [91], with 26.8 mg O3 (mg SOM)−1, for the treatment of wastewater
streams. In view of the results shown in Table 7, the ozone dose used on Day 1 could be
reduced given the lower organic load (Figure 5) of the waters of that experiment and the
high ηO3 value. However, for Days 2, 3 and 4, it would not be appropriate in any case
to increase the ozone dose used, since an increase in the dose above 6.4 mg L−1 would
make the reuse proposal unfeasible by increasing the costs of ozonation in exchange for
increasing the mineralization of practically negligible organic matter [13]. On the other
hand, according to Beltran et al. [78], an excess of oxidant could lead to the generation of
hydroperoxyl radicals (HO2

•) of lower oxidative capacity when the excess ozone reacts
with the hydroxyl radicals produced.

3.3. Agriculture Reuse Aspects and Economic Estimation of the c-UF Process Coupled to Ozonation
3.3.1. Regulatory Aspects

In the reuse of water for direct use in agriculture, treatment with c-UF coupled to an
ozonation system is proposed here to convert it into recycled water. The application of
these reused waters is regulated by different criteria according to the country of destination.
However, in the European Union (EU), to harmonize the regulation of each of the member
states, a new regulation on water reuse has recently been proposed (EU 2020/741) [14].
This new regulation defines (i) types of crops, (ii) minimum quality requirements and (iii)
quality control of the reclaimed water. In Table 8, the minimum criteria that the reclaimed
waters must meet are detailed in the regulations of different governments for their use in
all food crops, including tubers that could be consumed raw and food crops in which the
edible part is in direct contact with the reclaimed waters, using any irrigation methods.
Likewise, the average values obtained in this work were collected taking into account the
c-UF process with a self-cleaning system and the coupled ozonation system for treating the
reject stream.

According to Table 8, the new regulation incorporates stricter and more demanding
parameters than other regulations adopted to date. For example, in comparison with
the Royal Law 1620/2007 of Spain for E. coli, it is set at 100 CFU 100 mL−1, while in the
European Regulation (EU 2020/741), it is set at 10 CFU 100 mL−1. The SS were set at
20 mg L−1, compared to 10 mg L−1. Finally, turbidity changed from 10 to 5 NTU with the
new regulation.

In view of the results obtained, the reclaimed water obtained from the c-UF technology
coupled to the ozonation system met the criteria established in the new European regulation
in each and every one of the parameters specified by the regulations. By meeting these new
limitations, it was ensured that the reclaimed waters were safe for irrigation in agricultural
activities and that the environment was protected. In addition, a circular economy is
promoted, since it would allow the reuse of more than half of the water flow of the WWTP
effluent, avoiding the direct extraction of water from surface and underground sources.
Additionally, this proposal would combat climate change and contribute to the fulfilling
the SDG and Directive 2000/60/EC by promoting water savings.
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Table 8. Minimum quality requirements of recycled water from WWTPs established by different state regulations for use in
irrigated agricultural activities [5,14,92].

Parameter This
Work

EU
2020/741

Spain
(Royal Law
1620/2007)

Italy
(Regulation
No. 8 of 18
April 2012)

Portugal (2006
Portuguese

Standard NP
4434)

US EPA (EPA
600-R-12-
618/2012)

Australia
(ARMCANZ-

ANZECC-
NHMRC/2000)

Saudi Arabia
(2009)

pH 8.20 n.a. n.a. 6.00–9.50 6.50–8.40 6.00–9.00 5.00–8.50 6.00–8.50

Suspended solids
(mg L−1) 0.06 ≤10.0 20.0 10.0 60.0 n.a. n.a. n.a.

Turbidity (NTU) 0.95 ≤5.0 10.0 n.a. n.a. ≤2.0 n.a. n.a.

BOD5
(mg L−1) 2.90 1 ≤10.0 n.a. n.a. n.a. ≤10.0 n.a. n.a.

E. coli
(CFU 100 mL−1) 0.0 ≤10.0 100.0 10.0 100.0 n.a. n.a. n.a.

Total coliforms
(CFU 100 mL−1) 2.0 ≤6.0 n.a. n.a. n.a. null n.a. n.a.

Toxicity (TU) <1.0 n.a. n.a. n.a. n.a. n.a. n.a. n.a.
1 Calculated by Nutt et al. [93], the correlation between 5 day biochemical oxygen demand (BOD5) and total organic carbon (TOC) for
wastewater treatment plants (WWTPs).

3.3.2. Economic Comparison of c-UF Coupled to Ozonation Systems and a Conventional
Tertiary Treatment

The costs related to reclaiming water through a conventional tertiary treatment and
c-UF with ozonation are comparatively analysed. In both cases, the most representative
costs were associated with the energy consumption of the different equipment used and
the consumption of chemical reagents during some of the processes of the global operation.

Figure 6 shows the consumption derived from energy, as well as the reagents that
were used in the tertiary treatment of the Galindo WWTP. Regarding the tertiary treatment
(Figure 6a,b), the energy consumption was mainly attributed to the pumps (pumping raw
water, pumps for the lamellar decanter for purging sludge, pumping for washing sand
filters, bilge pumps for washing and treated water and chemical metering pumps), agita-
tors (mixing tank, flocculation chamber and lamellar decanter), air blowers for washing
the filters, helical fans and lamps for UV disinfection. It was estimated that the energy
consumption of the Galindo WWTP was 161,110 kWh year−1.

Regarding the cost attributed to the consumption of chemical reagents (Figure 6c),
the use of sodium hypochlorite (NaClO) as an oxidizing agent and alumina sulphate
(Al2 (SO4)3) as a coagulant were taken into account. In addition, the consumption of
anionic polyelectrolyte as a flocculating agent was considered.

The energy consumption for the tertiary treatment plant estimated by the volume of
the treated water was 0.1890 kWh m−3. Considering that the cost of energy for the industry
in Spain is 0.0758 € kWh−1 [94], the energy cost per cubic metre of treated water obtained
by tertiary treatment was 0.0143 € m−3.

For the estimation of the treatment cost with c-UF coupled to the ozonation system,
the FLUKE 434/435 Tree Phase Power Quality Analysers (Fluke Ibérica S.L, Alcobendas,
Spain) tool was used. This equipment monitors and records the energy consumption in the
different stages of a filtration cycle.

The energy consumption required in the filtration stage was estimated at 0.6322 kWh.
Additionally, it is necessary to consider the washing phase (flushing, backwashing and
rinsing), which was 0.1191 kWh. Apart from the wash per cycle, it is necessary to consider
the Cleaning-In-Place (CIP) and Chemical Enhanced Flushing (CEF) operations over an
operating period of 30 days with a volume of treated water of 2300 m3. With all this, it was
estimated that the energy consumption for a 30-day supercycle was 725 kWh, including
the energy consumption associated with the self-cleaning system. Another aspect that was
considered was the costs of consumption of chemical reagents for the CEF and CIP in the
c-UF unit, in which 25% NaOH, 33% HCl and 13% NaClO were used. This estimation
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was made on the basis of the consumption of the reagents spent during both types of
chemical cleaning.

Figure 6. Electrical consumption and cost of the chemical reagents used in the conventional tertiary treatment of the Galindo
WWTP: (a) estimated percentage of the total energy consumption related to each process of the tertiary treatment; (b) energy
consumption of each process involved in the tertiary treatment; and (c) cost relative to the reagents used in the oxidation
and coagulation–flocculation chambers.

The estimation of ozonation energy consumption was performed according to the
criteria of Krichevskaya et al. [95], referring to a specific energy consumption of the ozone
generator of 7 kWh kg−1 O3. Consequently, the energy consumed by the ozonation
treatment was estimated at 0.054 kWh m−3.

In Figure 7, from the energy consumption, the cost per cubic metre of treated water
by the c-UF coupled to ozonation process was estimated to be 0.0284 € m−3. The highest
consumption comes from the c-UF unit, while the self-cleaning system turns out to be the
smallest (0.00013 € m−3), but significant for the process efficiency based on the innumerable
technical advantages mentioned above.

Finally, taking into account the economic costs related to energy and reagents of the
conventional tertiary treatment and the c-UF system coupled to an ozonation process,
a cost of 0.0325 € m−3 was determined for the proposed new system versus the cost of
0.0534 € m−3 for the conventional tertiary treatment, which would mean an economic
savings of 39.1%. Authors such as Jodar-Abellan et al. [13] estimated a water reclamation
cost of 0.06 € m−3 for the tertiary treatment in a WWTP in Valencia (Spain), a cost signif-
icantly higher than the alternative proposed in this work. In addition, the c-UF system
coupled to ozonation allows us to obtain high-quality reclaimed water more than meets
the minimum requirements established by the EU 2020/741 regulation and anticipates



Agronomy 2021, 11, 322 24 of 30

future restrictions on water reuse concerning the removal of CECs. This action would
foster a circular economy between large cities and the agricultural sector through safe,
sustainable and environmentally friendly food production, thus avoiding the discharge of
urban wastewater into the water environment.

Figure 7. Partial costs (€ m−3) of the proposed c-UF/ozonation treatment: c-UF (0.024), ozonation
(0.0042) and reagents (0.00086), expressed as percent of the total cost of 0.0325 € m−3.

4. Conclusions

In this work, a novel continuous ultrafiltration system with self-cleaning capacity
coupled to an ozonation process for water reclamation from a WWTP was studied for use
in agriculture. The ability of c-UF to retain CECs of frequent appearance and pathogenic
microorganisms was evaluated. During c-UF, it was observed that CECs such as amitripty-
line (63.9%) and perfluorooctanesulfonamide (48.4%) performed better than others such
as ciprofloxacin (16.7%) or sulfamethoxazole (10.2%). These differences in removal yields
are associated with changing adsorption mechanisms according to each compound and
determinant in the removal of this type of contaminant.

Regarding other physical–chemical parameters, it was observed that the self-cleaning
system of the c-UF unit contributed to a reduction in turbidity of 95–96% and suspended
solids of 90.1–100%. The incorporation of the self-cleaning system did not result in a
significant reduction in the DOC (15–25%) compared to the c-UF unit without it.

The presence of E. coli bacteria, total coliforms and toxicity were studied as macropa-
rameters indicative of the microbiological quality of the water. Regardless of whether
the self-cleaning system was used in the c-UF unit, both E. coli and total coliforms were
completely removed in the permeate stream.

Regarding the ozonation process following the c-UF, for treating the reject stream,
ozonation was more effective with those CECs containing functional groups, such as
amines, phenols and double bonds. All identified CECs were completely removed except
for 2-hydroxybenzothiazole and caffeine, with 39.7% and 38.1%, respectively. Regarding
the inactivation of pathogenic microorganisms with an ozone dose of 6.4 mg L−1 and
a contact time of 180 min, the study revealed an absence of bacteria such as E. coli and
a toxicity less than one. A first-order kinetic model of serial stages was proposed that
describes the removal of SS with an error of less than 5%.

The water reclaimed with c-UF technology, followed by ozonation, meets the criteria
established in the new European regulation (EU 2020/741) in each and every one of the
parameters specified by the regulations.

Finally, taking into account the economic costs related to the energy and reagents of
the conventional tertiary treatment system and the c-UF system with a self-cleaning system
coupled to an ozonation process, a cost of 0.0325 € m−3 was determined for the novel system
proposed versus a cost of 0.0534 € m−3 for the conventional tertiary treatment system.



Agronomy 2021, 11, 322 25 of 30

Implementing this proposal would contribute to fighting against climate change and
compliance with the SDG and Directive 2000/60/EC by addressing the problem of water
scarcity, as well as promoting a circular economy between large cities and the agricultural
sector. A further step in this research could focus on the effect that these regenerated waters
rich in nutrients (nitrogen and phosphorous) could have on the fertilisation of crops.

5. Patents

The c-UF system used in this work has been patented in Spain under patent num-
ber ES201431341A.
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Abbreviations

σ Mean standard deviation
ηO3 Efficiency of the ozonation treatment, mg O3 mg SOM−1

BOD5 Biochemical oxygen demand, mg O2 L−1

C0 Initian concentration of certain pollutant, mg L−1

Cexp Experimental concentration, mg L−1

CO3 Ozone concentration at the reactor inlet, mg L−1

CO3 ,out Ozone concentration in the gas phase at the outlet of the reactor, mg L−1

Csim Simulated concentration obtained from simulating the first-order serial model, mg L−1

EC50 Half maximal effective concentration refers to the concentration of pollutant, mg L−1

FG Ozone flow rate, mg min−1

k Kinetic oxidation constant, M−1 s−1

k1
First-order constant referred to the appearance of SOM as a consequence of the
dissolution of SS, min−1

k2
First-order constant referred to the degradation of the SOM due to the action of
the NOSS, min−1

N Number of experimental points
NOSS Non oxidizable suspended solid, mg L−1

OSS Oxidizable suspended solid, mg L−1

P Pressure, bar
QA Feed stream, m3 h−1

QP Permeate stream, m3 h−1

QR Reject stream, m3 h−1

SOM Soluble organic matter, mg L−1

T Temperature, ◦C
TOC Total organic carbon, mg L−1

Toxicity Toxicity of the sample, TU
V Reactor volume, L
Y Recovery factor, %



Agronomy 2021, 11, 322 26 of 30

AOP Advanced Oxidation Process
CEC Contaminant of emerging concern
CEF Chemical Enhanced Flushing
CIP Cleaning In Place
CNT Carbon nanotube
c-UF Continuous ultrafiltration
DOC dissolved organic carbon
EDC Endocrine disruptors
ESI electrospray ionization source
G-L Gas–liquid contact
LC-MS-MS Liquid chromatography with tandem mass spectrometry equipment
MBR Membrane bioreactor
MQ Milli-Q quality water
PAN Polyacrylonitrile
PES Polyethersulfone
PPCP Pharmaceutical and Personal Care Product
PVC Polyvinylchloride
PVDF Polyvinylidene fluoride
QqQ Triple quadrupole
SDI Silt density index
SPE Solid-phase extraction
SS Suspended solids
TU Toxicity unit
WWTP Wastewater treatment plant
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Table S1. Reported methods of treating industrial wastewater containing 
4-chlorophenol. 

Advanced 
oxidation 
technology 

Notes Reference 

Photo-Fenton In the first stage, a heterogeneous reaction occurs on the 
surface of iron. In the second stage, a homogeneous 
reaction (Fenton reaction) is observed. The first stage 
proceeds through a radical pathway where 4-chlorocatechol 
is one of the reactants (the hydroxyl radical attacks the 
substrate). The second stage involves the participation of 
ortho-parachlorophenolperoxyl radicals and O2. 

1 

UV/TiO2 It has been observed that the increase in the size of the 
TiO2 crystals (effect of the calcination temperature) 
favours the removal of 4-chlorophenol. 

2 

UV/ZnO The dependence of pseudo-zero-order kinetics on the 
different operational variables for the removal of 
4-chlorophenol was investigated. It has been observed that 
inorganic anions such as Cl- and SO42-, common in water, act 
as blockers of the active centres. The proposed reaction 
mechanism involves an o-hydroxylation step that leads to 
the formation of high amounts of catechol. 

3 

UV/O3/H2O2 Ozone decomposition results in the formation of hydroxyl 
radicals. The presence of the hydroxyl radicals did not 
result in an increased rate of oxidation at pH = 9. The 
values of the pseudo-first-order kinetic constants 
(4-chlorophenol degradation reaction) estimated in the pH 
range of 7–12 were not significantly different from each 
other. 

4 

UV/TiO2/H2O2 Photocatalytic processes carried out with a combination of 
UV light and H2O2 were less efficient (in producing 
mineralised compounds) than the UV/O3 and UV/H2O2 
processes. A significant effect was not observed. 

5 

UV/H2O2 It has been found that the addition of H2O2 increases the 
photolytic reaction rate by an order of magnitude. The 
extent of mineralisation of 4-chlorophenol is improved and 
degradable compounds are produced in large amounts. 
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Table S1. Previous studies of photocatalysis using manganese oxides supported on carbonaceous 
materials. 

Catalyst Operating conditions Comments Ref. 
α-MnO2 [Cat.] = 0.025 g 

τ = 1.655 × 10−3 mol h−1 g cat−1  
T = 25 °C 
Time = 8 h 
[% removal] = 100 

Up to 100% conversion into acetone 
using an amorph MnO2 photocatalytic 
system for 2-propanol removal. The 
α-MnO2 phase was more active and 
regenerable than other manganese 
oxides. 

[1] 

α-MnO2/CNT [Cat.] = 0.4 g L−1  
C0 = 20 mg L−1 
T = 25 °C 
Time = 75 min 
[% removal] = 24 

Compared different crystalline phases 
of MnO2. Found that α-MnO2 particles 
supported on carbon nanotubes (CNT) 
improved the surface area of the hybrid 
structure and had a better performance 
under visible light.  

[2] 

MnO2/AC [Cat.] = 3.0 g L−1  
C0 = 60 mg L−1 
T = 25 °C 
Time = 5 min 
[% removal] = 98.53 

Compared the catalytic activity of 
MnO2 nanoparticles to that of MnO2/AC 
composites. The composite removed 
31.96% more Congo Red (CR) dye than 
the nanoparticles. The presence of 
mineral ions led to a higher dye 
degradation rate. 

[3] 

GO/MnO2 [Cat.] = 0.5 g L−1  
C0 = 60 mg L−1 
T = 25 °C 
Time = 120 min 
[% removal] = 98 

Observed that the catalytic activity 
during Reactive Black 5 (RB5) removal 
was higher than that of their starting 
materials. The presence of graphene 
oxide with a 20% MnO2 content helped 
to increase the generation of hydroxyl 
radicals and facilitated their separation 
from the solution, in contrast to MnO2 
nanoparticles. 

[4] 

MnO2/AC [Cat.] = 0.5 g L−1  
C0 = 100 mg L−1 
T = 25 °C 
Time = 60 min 
[% removal] = 85 

Impregnated an activated carbon with a 
20% BMnO2 content. Concluded that 
carbon impregnated with BMnO2 
showed a higher potential for RB5 
degradation. 

[5] 
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Photocatalytic reaction mechanism with MnO2/GAC composites 

The improvement can be attributed to the reaction mechanisms which occur on the surface 
of the catalyst. The trigger mechanism begins with light absorption (hv), generating electron-hole 
(e– - h+) pairs, which act as reducing and oxidising agents (Eq. 1). During oxidation, water (Eq. 2) 
or hydroxide ions (OH–) (Eq. 3) adsorbed on the catalyst generate hydroxyl radicals (HO•), while 
oxygen prevents the recombination of electron-hole pairs (Eq. 4). Subsequently, when irradiating 
a photon of energy equal to or greater than the band gap energy, the excitation of electrons in the 
conduction band (CB) is produced and it generates an equal number of holes in the valence band 
(VB) (Eqs. 5– 7). At that point, Eqs. 8–9, the high oxidative species generated are responsible for 
ANI and BTH oxidation to other degradation by-products. 

According to Ameta [6] and Rahmat et al. [7], the equations below describe a plausible 
mechanism of photocatalysis of an activated carbon material modified with MnO2 (MnO2/GAC): 

( )h - +
2 2M nO /G A C M nO /G A C e + hυ⎯ ⎯→  (1)

+ +
2 2 2M nO /GAC h H O M nO /GA C H HO •+ + → + +  (2)

− •+ + → ++
2 2MnO /GAC h OH MnO /GAC HO  (3)

− −•+ + → +2 2 2 2MnO /GAC e O MnO /GAC O  (4)

−• •+ →+
2 2O H HO  (5)

• •+ → +2 2 2 2 2HO HO H O O  (6)

υ •⎯⎯→h
2 2H O HO  (7)

• + →HO ANI + BTH Oxidation products  (8)

• + →2HO ANI + BTH Oxidation products  (9)

Achieving a high removal efficiency during the photocatalytic process requires [8–10]: i) an 
adequate diffusion of contaminants from the liquid phase to the surface of the MnO2 catalyst, ii) 
a strong adsorption of organic pollutants on the surface of MnO2, iii) redox reactions at the 
catalyst surface level, and iv) desorption of oxidation products. Based on these conditions, the 
reactor could play a key role not only in terms of degradation but also in terms of ANI and BTH 
mineralisation. Therefore, the application of advanced oxidation processes (AOPs) with suitable 
reactor technology can reduce catalyst damage whilst increasing reuse [11]. 
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Analytical methods for influent characterization 

Nitrite, nitrates, chlorides and phosphates were measured by ion chromatography (IC) using 
a Dionex Model 2010i Ion Chromatograh (Dionex, Sunnyvale, CA, USA) with a conductivity 
detector, Model CDM-1 (Dionex, Sunnyvale, CA, USA). Chromatographic separation was 
achieved using a IonPac-AS4 (250 × 4.0 mm, Dionex, Sunnyvale, CA, USA) column with a IonPac-
AG4 guard column (50 × 4.0 mm, Dionex, Sunnyvale, CA, USA). The eluent used consisted in a 
mixture of 3.5 mM NaHCO3 and 2.0 mM Na2CO3. A sample volume of 50 µL was injected 
according with the method described by Urasa and Ferede [12]. 

Quality assurance (QA) and quality control (QC) protocols 

The protocols followed for the determination of the different parameters listed in Table 1 
were described below. The samples were subjected to drastic conditions to acid hydrolysis (1N 
HCl), basic hydrolysis (1N NaOH), sunlight and temperature (30 °C). Subsequently, the amount 
recovered was determined in triplicate after 7 days. 

Table S2. Limit of quantification values (LOQ) and limit of detection values (LOD) of different 
parameters. 

Parameter LOQ  LOD  
Aniline (mg L−1) 0.01 30.0 

Benzothiazole (mg L−1) 0.02 24.0 
Nitrite (mg NO2 L−1) 0.0010 50.0 
Nitrate (mg NO3 L−1) 0.0015 75.0 
Chloride (mg Cl L−1) 0.003 80.0 

Total phosphorus (mg P L−1) 0.002 32.0 
Phosphates (mg PO4 L−1) 0.001 46.0 

 

Table S3. Linearity values of different parameters. 

Parameter Range Regression equation R2 

Aniline (mg L−1) 0.1-20.0 y = 3.780 x + 2.350  0.998 
Benzothiazole (mg L−1) 0.1-20.0 y = 7.033 x + 8.196 0.998 

Nitrite (mg NO2 L−1) 0.002-0.1 y = 5.280 x + 3.040 0.993 
Nitrate (mg NO3 L−1) 0.002-4.0 y = 2.098 x + 9.636 0.998 
Chloride (mg Cl L−1) 0.01-65.0 y = 2.558 x + 3.146 0.991 

Total phosphorus (mg P L−1) 0.01-0.1 y = 3.973 x + 5.480 0.995 
Phosphates (mg PO4 L−1) 0.01-0.3 y = 3.108 x + 2.721 0.998 
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Table S4. Specificity values of different parameters. 

Parameter Condition Amount 
added 

Amount 
recovered 

Degradation 
(%) 

Aniline  
(mg L−1) 

Acidic degradation 12.0 11.7 1.87 
Alkaline 

degradation 12.0 11.7 2.12 

Solar light 12.0 11.6 3.04 

Benzothiazole  
(mg L−1) 

Acidic degradation 12.0 11.8 1.15 
Alkaline 

degradation 
12.0 11.9 0.71 

Solar light 12.0 11.8 0.98 

Nitrite  
(mg NO2 L−1) 

Acidic degradation 0.050 0.049 1.54 
Alkaline 

degradation 0.050 0.048 2.2 

Solar light 0.050 0.048 2.03 

Nitrate 
(mg NO3 L−1) 

Acidic degradation 1.50 1.47 1.64 
Alkaline 

degradation 
1.50 1.44 3.72 

Solar light 1.50 1.48 0.99 

Chloride 
(mg Cl L−1) 

Acidic degradation 30.0 29.3 2.31 
Alkaline 

degradation 30.0 28.9 3.47 

Solar light 30.0 29.6 1.02 

Total 
phosphorus 
(mg P L−1) 

Acidic degradation 0.05 0.04 0.8 
Alkaline 

degradation 
0.05 0.04 1.74 

Solar light 0.05 0.05 2.8 

Phosphates 
(mg PO4 L−1) 

Acidic degradation 0.100 0.097 2.7 
Alkaline 

degradation 0.100 0.099 0.85 

Solar light 0.100 0.096 3.87 
 

 

Table S5. Accuracy values of different parameters. 

Parameter Range  Recovery (Mean ± % RSD) 

Aniline (mg L−1) 0.1-20.0 100.91 ± 0.024 
Benzothiazole (mg L−1) 0.1-20.0 100.24 ± 0.030 

Nitrite (mg NO2 L−1) 0.002-0.1 100.14 ± 0.020 
Nitrate (mg NO3 L−1) 0.002-4.0 100.08 ± 0.007 
Chloride (mg Cl L−1) 0.01-65.0 100.05 ± 0.026 

Total phosphorus (mg P L−1) 0.01-0.1 100.32 ± 0.013 
Phosphates (mg PO4 L−1) 0.01-0.3 100.56 ± 0.011 
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Table S6. Precision values of different parameters. 

Parameter Concentration  
Standard solution Sample solution 

Mean SD 
% 

RSD Intra-day 
precision 

Inter-day 
precision 

Intra-day 
precision 

Inter-day 
precision 

Aniline  
(mg L−1) 

12.0 12.020 12.013 12.051 12.042 12.0315 0.0179 0.149 

Benzothiazole 
(mg L−1) 

12.0 12.090 12.047 12.100 12.084 12.08025 0.0231 0.191 

Nitrite  
(mg NO2 L−1) 0.05 0.0510 0.0490 0.0521 0.0514 0.050875 0.0013 2.614 

Nitrate  
(mg NO3 L−1) 

1.50 1.5039 1.5010 1.5120 1.5109 1.50695 0.0053 0.354 

Chloride  
(mg Cl L−1) 

30.0 30.017 30.011 30.029 30.024 30.02025 0.0078 0.026 

Total 
phosphorus 
(mg P L−1) 

0.05 0.059 0.053 0.051 0.055 0.0545 0.0034 6.267 

Phosphates 
(mg PO4 L−1) 

0.10 0.1024 0.1031 0.1015 0.1043 0.102825 0.0011 1.148 

 

 

 

Figure S1. Spectrum of the UV-A lamp used in the experimental equipment. 
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(a) 

 
(b) 

 
(c) 

Figure S2. EDX spectra of the materials used in the study: (a) synthesised MnO2 powder; (b) Commercial 
activated carbon Hydrodarco® 3000; (c) Synthesized MnO2/GAC-3 composite. 
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(a) 

 

(b) 

 

(c) 

Figure S3. Determination of the H2 monolayer chemisorbed on the surface of the three MnO2/GAC 
composites synthesised in this study: (a) MnO2/GAC-1; (b) MnO2/GAC-2; (c) MnO2/GAC-3. 
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(a) 

 

(b) 

 

(c) 

 

(d) 

 

(e) 

 

(f) 

Figure S4. pH effect on the efficiency of the ANI and BTH removal process using GAC Hydrodarco® 3000 
during the adsorption and photocatalysis processes. Evolution of the: (a,b) Adsorption; (c,d) Photocatalysis 
in primary degradation (e,f) and in mineralisation in the adsorption and photocatalysis processes, 
respectively. Experimental conditions: C0 = 12.0 mg L−1; mCAT = 0.9 g L−1; Irradiation dose = 155.8 W m−2; 
T = 26 °C. 
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Figure S5. pH effect on turbidity during the photocatalysis of industrial effluents containing ANI and BTH 
using the GAC Hydrodarco® 3000. Experimental conditions: C0 = 12.0 mg L−1; mCAT = 0.9 g L−1; 
Irradiation dose = 155.8 W m−2; T = 26 °C. 
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1. State of the art

Table S1. Previous studies on the treatment of wastewater through catalytic ozonation processes 

in the presence of activated carbon. 

Pollutant Operating conditions Comments Ref. 

Acid blue 9, 

mordant black 11, 

reactive blue 19, 

reactive orange 16 

Fixed-bed reactor (100 × 6 cm); 

mCAT = 200 g; FG = 30 g O3 h-1; 

Neutral pH 

Complete colour removal and a 

significant decrease in chemical 

oxygen demand (COD) were 

obtained in contrast to ozone 

treatment alone. 

[1] 

1,2-

dihydroxybenzene 

Fixed-bed reactor; mCAT = 2 g; 

FG = 6 mmol O3 min-1; pH = 8 

Ozonation combined with 

adsorption on activated carbon 

was shown effective to remove 

1,2-dihydroxybenzene in 60 

minutes. 

[2] 

Chlorophyll a 
Fixed-bed reactor; mCAT = 2.1 kg; 

FG = 5.0 g O3 h-1; pH = 8.5 

Catalytic ozonation with 

activated carbon was able to 

remove more than 95% of the 

chlorophyll a and reduce 76% of 

the COD in only 30 min. 

[3] 

Natural organic 

matter (NOM) 

Slurry-type reactor; 

mCAT = 0.5 g L-1; 

CO3,G = 60 mg L-1; pH = 7 / 9 

The efficiency of the O3/GAC, 

O3/OH
–
, and O3/H2O2 systems for 

the removal of natural organic 

matter was compared. The same 

removal efficiency was obtained. 

[4] 

Polyphenols 

Semibatch reactor; 

MCAT = 0.5 g L-1; 

FG = 0.15 L O3 min-1; pH = 3 – 7 

Ozonisation processes alone and 

combined (O3/AC) were 

compared. It was observed that 

the ozonisation process with 

activated carbon improved 

significantly the primary 

degradation and mineralisation. 

The consumption of ozone was 

reduced via the O3/AC process. 

[5] 

Carbamazepine and 

atrazine 

Slurry-type reactor; 

MCAT = 0.1 g L-1; 

CO3,G = 10 mg L-1; pH = 7.3 

Powdered activated carbon 

catalysed ozonation was more 

efficient for the removal of 

ozonation-resistant organics 

pollutants than ozone alone. 

[6]
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2. Experimental system characterisation

Figure S1. Evolution of ozone concentration at the reactor outlet gas stream. Effect of: (a) 

Pressure 1; (b) Ozone flow rate 2. Experimental conditions: 1 CP
0
 = 250.0 mg L−1, pH = 11.0, 

CO
3
,G = 12.0 mg L−1, QL = 12 mL min−1, QG = 0.05 L h−1, V = 0.14 L. 2 CP

0
 = 250.0 mg L−1, P = 2.5 atm, 

pH = 11.0; CO
3

,G = 19.0 mg L−1, QL = 12 mL min−1, V = 0.14 L. 

Figure S2. Determination of mass transfer coefficient of the experimental system for various 

pressures: (a) 1.0 atm; (b) 1.5 atm; (c) 2.0 and (d) 2.5 atm. Experimental conditions: 

CP
0
 = 250.0 mg L−1, pH = 11.0, CO

3
,G = 12.0 mg L−1, QL = 12 mL min−1, QG = 0.05 L h−1, V = 0.14 L. 

(a) (b) 
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Figure S3. Determination of mass transfer coefficient of the experimental system for various 

ozone flow rates: (a) 0.05 L h−1; (b) 0.1 L h−1; (c) 0.2 L h−1 and (d) 0.4 L h−1. Experimental conditions: 

CP
0
 = 250.0 mg L−1; pH = 11.0, P = 2.5 atm; CO

3
,G = 19.0 mg L−1, QL = 12 mL min−1, V = 0.14 L. 

3. Hydroxyl radical generation

(a) (b) 

Figure S4. I3
–
 concentration as a function of time for 0.1 M KI. Effect of: (a) pH 1 and (b) Ozone

dose 2. Experimental conditions: 1 CP
0
 = 250.0 mg L−1, P = 1.0 atm, CO

3
,G = 12.0 mg L−1, QL = 12 mL 

min−1, QG = 0.05 L h−1, V = 0.14 L. 2 CP
0
 = 250.0 mg L−1, P = 2.5 atm, pH = 11.0, QL = 12 mL min−1, 

QG = 0.05 L h−1, V = 0.14 L. 
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4. Oxidation by-products analysis

(a) (b) 

(c) (d) 

Figure S5. Analysis of the main degradation by-products during catalytic ozonation of phenol. 

Effect of: (a) pH = 3.0; (b) pH = 6.0; (c) pH = 9.0 and (d) pH = 11.0. Experimental conditions: 

CP
0
 = 250.0 mg L−1, P = 1.0 atm, CO

3
,G = 12.0 mg L−1, QL = 12 mL min−1, QG = 0.05 L h−1, V = 0.14 L. 
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1. Experimental system characterisation 
 

 

a)       b) 

Fig. S1 CO3 values during the ozonation of deionised water (a) and determination of mass 
transfer coefficient (b) for the experimental system. Experimental conditions: FG = 2.5 g O3/h; 
CGO3, in = 5.4 mg/L; Vreac = 1.5 L; P = 1 atm; T = 18.0 ºC; pH = 7.0; stirring = 60 rpm. 

 

2. Ozone effect on aniline degradation 
 

  
a)      b) 

Fig. S2 Evolution of dissolved ozone concentration (a) and ozone concentration at the reactor 
outlet gas stream (b) during the catalytic ozonation of aniline using TiO2/GAC composite 
synthesised by the precipitation method at CGO3, in=3.7; 5.4; 11.3; 20.1 mg/L doses. 
Experimental conditions: FG=2.5 g O3/h; C0=20.0 mg/L; T=18.0 ºC; P=1 atm; pH=7.0; mcat=5.0 
g; Vreac=1.5 L. 
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(a) (b) 

Figure S1. Utilization efficiencies of ozone in a TiO2/GAC catalytic system at different pHs (a) 1 
and inlet ozone concentrations (b) 2 in the experimental ozonation system. Experimental 
conditions: QG = 4 L min−1; MCAT = 3.3 g L−1; T = 18.0 °C; P = 1 atm; Vreac = 1.5 L;  
(Agitation) = 60 rpm. 1 CO3,in = 11.3 mg L−1. 2 pH = 7.0. 

 

 
Figure S2. Effect of the ozone dose on the control stage during catalytic ozonation of aniline with 
the TiO2/GAC catalyst. Experimental conditions: QG = 4 L min−1; pH = 7.0; MCAT = 3.3 g L−1;  
T = 18.0 °C; P = 1 atm; Vreac = 1.5 L; (Agitation) = 60 rpm. 
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(a) (b) 

Figure S3. Analysis of some by-products formed during the TiO2/GAC ozonation of aniline in 
terms of TOC. Effect of catalyst dosage on the evolution of: (a) oxalic and (b) oxamic acid during 
ozonation. Experimental conditions: QG = 4 L min−1; CO3,in = 5.4 mg L−1; pH = 7.0; T = 18.0 °C;  

P = 1 atm; Vreac = 1.5 L; (Agitation) = 60 rpm. 

 

 
(a) 

 
(b) 

 
(c) 

Figure S4. Analysis of the main intermediates in the aniline catalytic ozonation with TiO2/GAC 
in terms of TOC, excluding oxalic and oxamic acid in different cases: (a) molecular attack of ozone 
at pH = 3.0; (b) ozone in excess and dominance of radicalary attack (pH = 7.0 and ozone dose of 
20.1 mg L−1); and (c) most favourable conditions (pH = 7.0, 5.4 mg L−1 ozone concentration) or 
combined molecular radicalary attack. Experimental conditions: QG = 4 L min−1; MCAT = 3.3 g L−1; 
T = 18.0 °C; P = 1 atm; Vreac = 1.5 L; (Agitation) = 60 rpm. 
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Elemental analysis (CHONS) 

The composition of the natural organic matter (NOM) depends on its origin, ranging 

from low molecular weight hydrophilic acids to macromolecules such as HAs [48]. The 

particular characteristics of the HAs are important since the choice of the most appropriate 

treatment may be influenced by those characteristics [49]. Therefore, the properties of the 

HAs used in the present study are shown in Table S 1 and compared to naturally occurring 

HAs collected from the Uzquiza swamp (Burgos, Spain) [50, 51]. 

 

Table S 1. Characterisation of studied humic acids. 

 
Sample 

Elemental composition 
Atomic H/C ratio Atomic O/C ratio Atomic C/N ratio pKa E3/E5 

C (%) H (%) O (%) N (%) S (%) 

Synthetic HA* 42.91 4.48 26.61 1.32 < 0.2 1.24 0.47 37.93 9.28 6.59 

Natural HA** 51.76 5.15 — 1.65 — 1.18 — 36.61 — — 

* Present work 

** Vidal (2003) 

 

In general, the synthetic HA used in the present study (50 mg HA/L, equivalent to 21 

mg TOC/L) has similar characteristics in terms of elementary composition and atomic 

ratio to that of real samples. The presence of more nitrogen in natural HA as opposed to 

synthetic HA indicates that the former has a greater potential to form nitrogenous 

disinfection by-products such as trichloronitromethanes [52, 53]. On the other hand, 

considering the H/C ratio of the samples, it should be noted that synthetic HAs (1.24) 

have greater aliphatic or less aromatic character than natural HAs (1.18). This reduction 

means that the natural HA is less protonated and consequently the macromolecule is more 

stable than the synthetic one. Natural HA holds a 51.76% carbon. This is significantly 



higher than that of the synthetic sample (42.91%), which shows natural HA has a higher 

degree of humification. 

 

The E3/E5 ratio obtained from synthetic HA (6.59) indicates that the humic substance 

has a small molecular size of approximately 13 kDa and a weakly developed aromatic 

nucleus [20]. The pKa of the synthetic HA (9.28) corresponds to a phenolic structure. The 

value of this parameter significantly influences solubility and by extension, the 

ultrasound/O3 treatment [19, 51]. 

 

 

 

Figure S 1. Humic acids 50 mg/L. (a) Fluorescence; (b) 13 C NMR; (c) FTIR; (d) HPSEC. 
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Fluorescence analysis 

Figure S1a shows the fluorescence spectrum of the HAs, where the range of different 

fluorophore groups are displayed in the emission range from 340 nm to 550 nm. There 

are two distinct fractions: firstly the region with the highest wavelength (460-550 nm), 

which corresponds to the humic region and consists of organic matter from natural origin, 

in which aromatic and hence, more recalcitrant compounds predominate [54, 55]. Then 

secondly, the region with the lowest wavelength (340-410 nm) which corresponds to 

protein-like microbial sub-products with a behaviour similar to tryptophan (e.g. 

naphthalene) and a biodegradable character. This biodegradable nature leads to an easy 

elimination of this fraction of HA with the treatment proposed in the present study [38, 

56]. 

 

13C NMR spectroscopy analysis 

The 13C NMR spectrum of the humic compound used in this work is shown in Figure 

S 1b. Four carbon groups corresponding to the aliphatic region were distinguished with a 

chemical shift of 0-60 ppm. This is in agreement with what was discussed in the 

elementary spectroscopic analysis [57]. One peak corresponding to the aromatic region 

was observed with a chemical displacement of 112-145 ppm, common in substances 

formed from the condensation of heterocyclic compounds and polymerisation of 

carbohydrates with proteins [58]. Another peak was measured in the phenolic region with 

a displacement of 145-163 ppm, being this peak the one with the lowest abundance of the 

four groups identified. Finally, the region corresponding to carboxylic groups was 

measured with a displacement of 163-180 ppm [20]. Nothing significant was measured 

in the spectral region of 180-220 ppm assigned to ketones and aldehydes [55, 59]. 



FTIR analysis 

Figure S1c shows the infrared spectrum of the synthetic HA. From the figure the 

2850-2960 cm-1 band is characteristic of saturated groups and shows typical values of 

methyl and methylene groups (C-H tension), the band at 1720 cm-1 (corresponding to the 

C=O vibration tension) and the band at 1405 cm-1 (corresponding to flexion outside the 

O-H plane) [41]. The intensity of the 1720 cm-1 band is attributable to the acidic nature 

of the HA. The band at 1620 cm-1 corresponds to aromatic groups or alkenes with C=C 

tension. The relative intensity of this peak indicates that this HA has a strong aromatic 

nature (aromatic rings) [55]. The CO tension bands that are assignable to oxygenated 

groups appear at 1220 cm-1 (corresponding to carboxylic acids and phenols), while the 

band at 1260 cm-1 corresponds to aromatic ethers or unsaturated chains [60]. The 1030 

and 1095 cm-1 bands would refer to aliphatic alcohols and ethers, while the band present 

at 805 cm-1 would be associated to tri- and tetra-substituted aromatic rings [46]. Finally, 

mention that the intensity of the band at 1540 cm-1 would correspond to the presence of 

amino groups, according to the amount of nitrogen measured by the elementary analysis 

(1.32%). This would be of great importance due to its potential to form nitrogenous 

disinfection by-products after chlorination [50]. 

 

HPSEC analysis 

Four characteristic peaks are distinguished in Figure S1d: biopolymers formed by 

proteins and polysaccharides with a molecular weight greater than 640 kDa, humic 

substances with a molecular weight of approximately 20 kDa, and two small peaks with 

a size of approximately 2 kDa formed by low molecular weight acids and other neutral 

compounds of low molecular weight [61, 62]. 



  

Figure S 2. Fluorescence emission intensity reduction percentage at 470 nm (primary axis) and I3
- 

concentration (secondary axis) of 50 mg HA/L at difference calorimetric power densities at 300 kHz for (a) 

400 mL sample at applied ultrasonic power of 10, 20, 30 and 40 W (left to right) and for (b) applied 

ultrasonic power of 40 W with 400, 300, 200 and 150 mL samples (left to right).  

 

 

 

 

Figure S 3. I3
- concentration as a function of time. Ultrasound conditions:40 W at 98 kHz (), 300 kHz 

(), and 1 MHz (). Ozonation :7.4 mg O3/Lgas (∆) and 11.3 mg O3/ Lgas (○). The insert shows the zoomed 

in plot of the 0-100 μM I3
-interval. 400 mL sample and 0.1 M KI. 
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Figure S 4. (a) Dissolved ozone concentration as a function of time and (b) TOC/TOC0 as a function of 
dissolved O3. 5.4 mg O3/ Lgas ( ), 7.4 mg O3/ Lgas ( ), 11.3 mg O3/ Lgas ( ), 19.7 mg O3/ Lgas (  ). 

 

 

 

 

Figure S 5. Fluorescence emission intensity peak at wavelength 492 nm as a function of ozonation time. (a) 
7.4 mg O3/L ( ), ultrasound + 7.4 mg O3/L ( ); (b) 11.3 mg O3/L ( ), ultrasound + 11.3 mg O3/L ( ). 
30 min ultrasound pre-treatment at 300 kHz and 40W. 400 mL samples.  
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Figure S 6. Fluorescence emission intensity peak at wavelength 405 nm as a function of ozonation time. (a) 
7.4 mg O3/L ( ), ultrasound + O3 ( ); (b) 11.3 mg O3/L ( ), ultrasound + O3 ( ). 30 min ultrasound pre-
treatment at 300 kHz and 40W. 400 mL samples.  

 

 

 

 

Figure S 7. Fluorescence emission intensity peak at wavelength 375 nm as a function of ozonation time. (a) 
7.4 mg O3/L ( ), ultrasound + O3 ( ); (b) 11.3 mg O3/L ( ), ultrasound + O3 ( ). 30 min ultrasound pre-
treatment at 300 kHz and 40W. 400 mL samples.  
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Figure S 8. HPSE peak (at min 3) as a function of O3 injection time. O3 alone ( ), ultrasound + O3 ( ). O3 
= 7.4 mg O3/L; 30 min ultrasound pre-treatment at 300 kHz and 40W. 400 mL samples. In Fig. 7 c and d is 
only shown US+O3 (  in Fig. S 8), not O3 alone (  in Fig. S 8). 
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