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Potentially toxic elements (PTE) can cause significant damage to the environment
and human health in the functions of mobility and bioavailability [1]. Given the urgency
to remediate polluted soils all over the world, appropriate innovative and sustainable
remediation strategies need to be developed, assessed, and promoted [2–4].

Before that, a detailed knowledge of PTE bioavailability and bioaccessibility as well as
of soil processes affecting contaminant dynamics, in terms of lixiviation, colloidal transport,
redox conditions, or microbial activity, is essential in order to assess the actual danger/risk
posed by contamination [5]. It is widely recognized that the bioavailability of toxic elements
in soils depends on their solubility and geochemical forms, rather than on their origin and
total concentration. Therefore, the knowledge of their spatial distribution and chemical
speciation in soil is of paramount importance to perform an accurate risk assessment.
Investigating these aspects requires the use of analytical techniques able to solve the high
complexity of the soil matrix with a spatial resolution down to the micrometer—or even
nanometer—scale [6].

In addition, a correct evaluation of remediation intervention requires detailed knowl-
edge of the geochemical forms into which PTE have been converted following the soil
treatment. This information is crucial to predict any possible transformation PTEs might
naturally undergo over time or as consequence of physical–chemical perturbations that
might impact the soil system.

In this Special Issue we invited the submission of articles to address the assessment
of PTE contamination in soil systems using innovative approaches, the study of soil pro-
cesses affecting pollutant dynamics, and the application of new sustainable remediation
techniques for the long-term reduction in the threat posed by PTE towards the health
of the human being and the environment. This volume contains ten original research
articles. Four articles deal with the assessment of bioavailability of PTEs in contaminated
soils [7–10], three articles report results on the application of phytoremediation to PTEs
contaminated soils [11–13], one paper is related to the source–sink relationships of PTEs at
basin scale [14], and two manuscripts address the issue of PTEs contamination in urban
soils [15,16].

The assessment of the risk posed by the presence of PTEs in soil has been studied
by Porfido et al. [7] investigating the Pb availability in a former polluted shooting range.
Micro-XRF and SEM-EDX analyses showed that most of the Pb underwent stabilization
processes: a weathering crust (mixture of orthophosphates) around Pb-containing bullet
slivers dispersed within the soil. Moreover, no toxicity effects and low bioavailability were
measured in earthworm tissues. Kaur et al. [8] assessed the risk of the presence of several
PTEs in industrial effluents and soils through Allium cepa root chromosomal aberration
assay and the potential ecological and human health risks and bioaccumulation in plants,
respectively. The study of Diquattro et al. [9] assessed the mobility, phytotoxicity, and
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bioavailability of antimony (Sb) in soils after the addition of municipal solid waste compost
(MSWC). The Sb mobility decreased in amended soils as well as phytotoxicity in triticale
plants, whereas soil metabolic activity and catabolic diversity increased. Ahmad et al. [10]
assessed the phytoextraction of PTEs by different vegetable crops in soil irrigated with
city wastewater, evidencing the possibility of using some species for phytoremediation as
well as the significant risk to human health and the environment due to PTE content in
their tissues.

The adoption of a sustainable remediation strategy was proposed by Gorelova et al. [11]
in a study of the bioaccumulation of PTEs in Echinochloa frumentacea grown in different con-
taminated soils. Results obtained by chemical, biochemical, microbiological, and metage-
nomic (16S rRNA) methods of analysis recommend E. frumentacea for phytoremediation
of PTEs contaminated soils. Pietrini et al. [12] confirmed the crucial role of plant–microbe
interaction in the phytoremediation of PTEs polluted soil by investigating the inoculation of
microcosms of Brassica juncea and Helianthus annuus with a selected microbial consortium.
Adopting a phytoextraction strategy, Fedje et al. [13] used sunflowers and rapeseed to
extract Zn from the mineral fraction of the incinerator bottom ash in order to meet the
increasing worldwide demand of the metal.

The acquisition of soil and sediment geochemical data in a basin located in the eastern
Amazon enabled the source distribution of PTEs content and evidenced that local anomalies
were mostly influenced by the predominant lithology rather than any anthropogenic
impact [14].

Finally, two articles studied the source and distribution of PTEs in soils of two impor-
tant cities. Rate [15] performed a spatial statistics analysis to define geochemical zones
characterized by the presence of PTEs because of historical waste disposal in public recre-
ation areas in Perth, Western Australia. Silva et al. [16] determined the soil PTEs content
in six locations (traffic zone, residential area, urban park, and mixed areas) of the city of
Lisbon (Portugal), evidencing the low levels of pollution.

We would like to thank all contributing authors in this Special Issue on “Assessment
and remediation of soils contaminated by potentially toxic elements (PTEs)” and all re-
viewers who dedicated their time and constructive efforts to improve the quality of science
during the review process.
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Abstract: This study aims to handle an integrated evaluation of soil and stream sediment geochemical
data to evaluate source apportionment and to establish geochemical threshold variations for Fe,
Al, and 20 selected Potentially Toxic Elements (PTE) in the Parauapebas River Basin (PB), Eastern
Amazon. The data set used in this study is from the Itacaiúnas Geochemical Mapping and Background
Project (ItacGMBP), which collected 364 surface soil (0–10 cm) samples and 189 stream sediments
samples in the entire PB. The <0.177 mm fraction of these samples were analyzed for 51 elements by
ICP-MS and ICP-AES, following an aqua regia digestion. The geochemical maps of many elements
revealed substantial differences between the north (NPB) and the south (SPB) of PB, mainly due to the
geological setting. The new statistically derived threshold values of the NPB and SPB regions were
compared to the threshold of the whole PB, reported in previous studies, and to quality guidelines
proposed by Brazilian environmental agencies. The natural variation of geochemical background
in soils and stream sediments of PB should be considered prior to defining new guideline values.
At the regional scale, the local anomalies are mostly influenced by the predominant lithology rather
than any anthropogenic impact.

Keywords: surface geochemistry; geoprocessing; geogenic enrichment; Itacaiúnas river watershed;
Carajás mineral province

1. Introduction

Multi-element geochemical mapping is useful for both, mineral exploration surveys
and environmental studies as previously demonstrated [1–4]. For both applications, the
unusually high concentrations (also known as anomalies) are strong pieces of evidence
of a potential mineral deposit or a possible anthropogenic impact. Evaluating the spatial
distribution of an element, in a given sampling medium (e.g., soils, sediments, water, and
rocks), along with different geographic information (land cover and land use, hydrology,
geomorphology, geology, and mineralized zones) may assist in accurately identifying the
source of enrichment (for some authors, contamination), whether anthropic or not [5–7].

Traditional studies in environmental geochemistry usually carry out impact assess-
ments separately for each sampling medium [8–10]. Taking this into consideration, an
integrated assessment, using geochemical data from different sampling mediums, might be
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a powerful strategy for identifying source apportionment and evaluating the geochemical
variability in terrestrial environments. In relation to the large geochemical data set, this
strategy became more affordable due to recent advances in data analysis using a robust
programming language in addition to geoprocessing techniques. Similar approaches have
been conducted elsewhere [11–13].

Prior to conducting an integrated assessment methodology, it is indispensable to
understand the limitations in terms of physicochemical properties and representativeness,
regarding the medium of sampling [14]. For instance, soil samples have local representa-
tiveness and medium (A horizon) to low (B horizon) susceptibility in terms of changes in
local conditions. In general, soils have a strong correlation to the parent geological material.
In contrast, stream sediment samples have a wider representativeness, restricted to the
whole upstream catchment area of the sampling point, and high susceptibility, not only
due to the different lithologies occurring in the catchment area, but also due to changes in
the hydrosedimentological dynamics, influenced by local seasonal variations, and changes
in land cover and land use [15,16].

In addition, the determination of geochemical background is a mandatory approach
for this assessment. The background concept has not been clearly established [17–19],
but the term is often used as a naturally occurring concentration range of an element or
chemical compound [20], determined by a given analytical method [21], which can be
established by direct, indirect and integrated methods [6]. Some authors consider that
the upper limit of the geochemical background, also known as the threshold value, can
be used to distinguish between natural and anthropogenic influences [17]. The threshold
concentration value is regularly used as a reference to define action levels in environmental
legislation [22,23], whereas, the lower background limit has not been widely discussed,
perhaps due to its low relevance for exploration and environmental purposes.

The Parauapebas River Basin (PB) is particularly relevant for geochemical studies
because: (i) The basin is located in the Carajás Mineral Province, the largest mineral
province of Brazil, and large open pit Fe (N4, N5 and S11D), Cu (Sossego) and Cu-Au
(Antas North) mines, besides other mineral deposits, are situated on it (Figure 1d; (ii)
The PB has protected areas that are covered by preserved tropical forest but most of
it was deforested. Hence, the study area has strong contrasts of land use and cover;
(iii) The possible impact in the environment related to mining activities and the effects
of deforestation and increase of human occupation, with agricultural development and
livestock production, should be evaluated. All these aspects can be evaluated by studying
the spatial distribution of chemical elements particularly those of iron, the most voluminous
mineral resource produced in the region, and Potentially Toxic Elements (PTE).

This study is associated with the Itacaiúnas Geochemical Mapping and Background
Project (ItacGMBP), a large geochemical mapping project carried out by the Instituto Tec-
nológico Vale (ITV) in the entire Itacaiúnas River Watershed (IRW; Figure 1b). In the PB area
(Figure 1c), a previous study about the soil [24] geochemistry has been conducted. How-
ever, an integrated and refined interpretation using soil and stream sediment geochemical
data sets of the PB is presented here for the first time. To address the source apportionment
and establishing geochemical threshold variations, a series of advanced data analyses
were implemented, mainly by using geoprocessing techniques and traditional statistical
methods. This integrated assessment of geochemical data is of great importance to fill the
knowledge gaps identified in previous studies.

This study aims to handle an integrated evaluation of soil and stream sediment
geochemical data to evaluate source apportionment and to establish geochemical threshold
variations for Fe, Al, and 20 selected PTE (Ag, B, As, Ba, Bi, Cd, Co, Cr, Cu, Hg, Mn, Mo, Ni,
Pb, Sb, Se, Sn, U, V, and Zn) in the PB. The study was designed to answer several questions:

• How is the spatial distribution of the PTE in soils and stream sediments of the PB?
Are they similar or not?

• Are the soil and stream sediment samples correlated? Do they share the same source
apportionment?
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• How do the geological domains affect the variations of the geochemical background
and distribution of anomalies in the PB and what is their relevance for the definition
of environmental guidelines?

• Is there any evidence of anthropogenic impact in the area?

2. Study Area and Geological Setting

The study area of the present research is the Parauapebas River Basin (PB), situated in
the eastern Amazon Rainforest (Figure 1a). The PB is classified as one of the eight sub-basins
of the IRW (Figure 1b), which covers an area of approximately 9600 km2, encompassing two
main urban areas (Parauapebas and Canaã dos Carajás; Figure 1c), parts of conservation
areas, represented mainly by the remaining preserved forest in the Center-West of the PB
(Figure 1b), and active open-pit Fe (N4, N5, and S11D), Cu (Sossego) and Cu-Au (Antas
North) mines (Figure 1d).

 

Figure 1. Location of the Parauapebas River Basin (PB) in the eastern Amazon region (a), situated in the Itacaiúnas River
watershed (b). the land cover and land use map (c) and the geological map (d) are presented along with the sampling sites
for soil and stream sediments. These two maps are overlaid on a shaded-relief digital elevation model (DEM). Inset shows
the Northern (NPB) and Southern (SPB) PB. Map coordinates are in degrees (WGS84). Source: modified from [24].

For the purpose of the present study, the geology of the PB can be simplified into three
different domains (Figure 1d):

• Rio Maria—Sapucaia—Canaã dos Carajás domains (RM-S-CC): It is restricted to
the south of PB (Figure 1d), and is composed essentially of Mesoarchean tonalite—
trondhjemite—granodiorite (TTG) series associated with greenstone belt sequences
and calc-alkaline granites to tonalites and sanukitoids [25–28]. Neoarchean A-type
like granitoids, charnockitic rocks, mafic-ultramafic bodies, and Paleoproterozoic
anorogenic granites crosscut the Mesoarchean units [25,29–33].
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• Carajás Basin (CB): It is restricted to the center of PB (Figure 1d), and is composed
dominantly of Neoarchean mafic to felsic metavolcanic rocks and banded-iron for-
mations (BIF), which hold the world-class Fe deposits of Carajás [34,35]. Neoarchean
A-type like granite plutons [29,36] and mafic-ultramafic stratified bodies [31,37], as
well as Paleoproterozoic anorogenic granites [38–40] also occur.

• Bacajá Domain (BD): It is restricted to the north of PB (Figure 1d), and is mainly com-
posed of high-grade charnockitic rocks, with subordinate mafic orthogranulitesand
para-derived granulites [41], supracrustal mafic metamorphic rocks of the Tapirapé
Formation, and metasedimentary lithologies of the Buritirama Formation [42].

3. Materials and Methods

3.1. Sampling Procedure

The sampling strategies, data storage, screening, and validation of the ItacGMBP were
entirely assisted by a computer-based framework associated with a geographic information
system environment. Firstly, a sampling protocol was structured to guide the field teams
in storing all field data using tablets in a geochemical database. Further information can be
accessed elsewhere [43].

The soil survey was designed on a nominal scale of 1:250,000, with a sampling density
of 1 sample/25 km2, using grids of 5 km × 5 km, homogeneously distributed along the
whole IRW (Figure 1b). The surface soil samples were collected at a constant depth of
10 cm. Each surface soil sample was collected and then bulked to provide one composite
sample (approximately 5 kg).

The stream sediment survey was designed on a nominal scale of 1:1,000,000, with a
sampling density of 1 sample/100 km2, using 2nd–3rd order drainage microcatchments
along the entire IRW (Figure 1b). The collection of stream sediment samples (approximately
3 kg) was carried out in active sedimentation areas at the catchment outlet, preferably in
the middle of the channel to minimize contamination occurring at the margins.

For the quality control procedure, a duplicate sample was collected for every 20 sam-
ples collected. Samples were collected as close as possible to the location defined in the
planning field map. Most of the unsampled sites are located in remote areas with severe
access limitations. The detailed sampling procedure and description of different sampling
media used in the ItacGMBP can be found elsewhere [24,43–46].

In the PB, 364 samples of surface soil and 189 samples of stream sediment were
collected. The sampling sites are plotted over the land use and land cover (Figure 1c) and
geological layers (Figure 1d) for further inspections.

3.2. Sample Preparation and Chemical Analyses

The ItacGMBP’s analytical program was extensive, but only the relevant analyses for
the present study are described. For more information, refer to previous studies [24,43–46].
Both soil and stream sediment samples were submitted to the same preparation and
analytical protocols. The samples were oven-dried at 70 ◦C, disaggregated, homogenized,
and sieved through a <0.177 mm (80 mesh) sieve. Approximately 50 g of the samples
were grounded, sieved through a <75 μm (200 mesh) sieve, and submitted to aqua regia
(1:3 M HNO3:HCl) digestion. The aqua regia soluble concentrations of 51 elements (the
most relevant for the present study are Fe, Al, Ag, B, As, Ba, Bi, Cd, Co, Cr, Cu, Hg, Mn, Mo,
Ni, Pb, Sb, Se, Sn, U, V, and Zn) were determined via Inductively Coupled Plasma—Atomic
Emission Spectrometry (ICP-AES) and Inductively Coupled Plasma—Mass Spectrometry
(ICP-MS). All samples were prepared and analyzed in laboratories of ALS Brasil Ltda (Belo
Horizonte, Brazil), a certified/accredited laboratory.
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3.3. Data Processing and Statistical Analysis

Firstly, the censored data (values below the lower limit of detection—LLD), com-
monly observed in the geochemical data set, was replaced by LLD/2) indicated for each
element, according to the analytical method. This procedure is widely used in the litera-
ture [22,23,45,46]. It is important to highlight that, eventually, two sets of data were used
in this study, one for the NPB (soils = 223 samples; stream sediments = 122 samples) and
another one for the SPB (soils = 141 samples; stream sediments = 67 samples) (cf. Figure 1).
Standard statistical procedures [22,23,47] were undertaken in this research, which involves
calculating several descriptive statistics parameters (amount of data below LLD, arithmetic
mean, standard deviation—SD, minimum—Min, median—Med, and maximum—Max),
constructing graphs based on the exploratory data analysis (e.g., box plots, scatter plot
and quantile-quantile plot) and conducting hypothesis test (e.g., Mann–Whitney–Wilcoxon
test). Data analysis was performed using the R programming language in RStudio.

3.4. The Determination of Geochemical Background Values

A variety of statistical methods was used for the calculation of geochemical threshold
values, which is highly recommended by experts in the field. These methods are described
elsewhere [19,20,22,23,48], and the general steps are highlighted herein.

Median + 2 ∗ Median Absolute Deviation (MMAD): The MMAD is considered one of
the most prestigious methods for deriving geochemical threshold values [19]. Firstly, a
requirement for using the MMAD method is that the raw data should be prior transformed
to a common logarithm (log10) scale to get close to a normal distribution, unusually seen
in geochemical data set [23]. In this approach, the median absolute deviation (MAD;
Equation (1)), leads to a robust estimation of the variability of univariate geochemical
data [23].

MAD(y) = 1.48 ∗ mediani|yi − medianj(yj)| (1)

Afterward, the MAD value should be multiplied by two and added to the median.
At this stage, the result should be back-transformed, from logarithmic scale to natural scale,
to derive the MMAD threshold value (Equation (2)):

MMAD(y) = 10(median(y) + 2 ∗ MAD(y)) (2)

Tukey’s Inner Fence (TIF): The TIF method depends solely on the data distribution.
In addition, background values can be calculated even if no outliers are present in the
data set (threshold value greater than the maximum value). Moreover, the threshold value
obtained from this approach is most informative if the true number of outliers is below
10% of the data [19,23]. Firstly, the log10 transformation is required prior to using this
approach [19]. The TIF method consists of determining the upper (Q3 = 75th percentile) and
lower (Q1 = 25th percentile) quartiles of the boxplot. Then, the inner fence is determined as
the interquartile range (IQR = Q3 − Q1) extended by 1.5 times. The threshold value based
on the TIF method is calculated following Equation (3):

TIF = 10(Q3 + 1.5 ∗ IQR(y)) (3)

Percentile-based approaches: These approaches are considered as the most straightfor-
ward methods for deriving threshold values [48,49], widely used by many environmental
agencies from different countries (e.g., Brazil [50], Australia [51], and Finland [52]). The
98th percentile (P98) has become widespread as a 2% outliers (1 in 50 rate) is deemed
acceptable, and it distances the method from the 97.5 percentile, 2.5% 1 in 40 rate, which
delivers similar results to the “Mean + 2 ∗ Standard Deviation” (outdated method) when
a normal distribution of a given element is satisfied [19]. The 95th percentile (P95) cor-
responds to a more restricted value, as it considers 5% of all samples as outliers. Other
percentile values are also used (e.g., 90th, 85th, and 75th), however, they are not going to
be considered as threshold values in the present study.
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3.5. Geoprocessing and Spatial Representation of Soil and Stream Sediment Geochemical Data

Spatial analyses were processed using the software ArcGIS 10.4.1, under the World
Geodetic System 1984 (WGS84) datum. The construction of integrated stream sediment and
soil geochemical maps was based on two techniques: (i) Catchment-based representation
(polygon) for stream sediment data [53–55] which, simply involves attributing the element
concentrations to their respective catchment watershed, with the sample collected at the
outlet; (ii) Geochemical dot representation (point) for surface soil data, attributing the
uni-element concentration to the sampling site [55,56]. The class intervals were defined
according to the quantile method, usually applied to right-skewed distribution, commonly
seen in geochemical data [57]. For the correct construction of integrated geochemical
maps, the same class interval was used for the representation of the concentration (usually
in mg kg−1, except for Fe and Al in wt.%) of a given element in soil and in stream sediment.
Finally, spatial analyses using geoprocessing techniques (e.g., buffer, clip, intersect and
merge) were eventually used for further interpretation.

4. Results

In this study, integrated soil and stream sediments geochemical maps are presented
for selected elements (Fe, Al, Cu, Mo, As, and Hg in Figure 2; Ni, Cr, Co, V, Mn, and
Zn in Figure 3). Additional geochemical maps for the remaining PTE (Ag, B, Ba, Bi, Cd,
Pb, Sb, Se, Sn, and U) are provided in the supplementary material (Figure S1). In these
maps, the catchment-based representation (polygons) was used to display the distribution
of elements in stream sediment samples, whereas the point representation was used for
soil samples.

The spatial distribution of each element (cf. Figures 2 and 3, Figures S1 and S2)
revealed a clear difference between the Northern PB (NPB) and Southern PB (SPB). The
NPB region corresponds almost exactly to the BD and CB and the SPB to the RM-S-
CC. The chemical compositions of soils and stream sediments from those regions are
strongly influenced by the dominant lithologies occurring in their respective geological
domains (Figure 1d). Boxplots for Fe, Al, and selected PTE (Figure 4) were constructed by
taking into account the compositions of soil and stream sediment samples from the three
different geological domains distinguished in the PB. Additional boxplots are provided
in the supplementary material (Figure S3). It is apparent that the distributions of some
elements (e.g., Al, As, Bi, and Cr; Figure 4) are similar in both BD and CB, representing
the NPB, and contrast with that observed in the RM-S-CC domains that occupy the SPB.
On the contrary, Cu spatial distribution exhibit remarkable differences among all geological
domains (Figure 4).
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Figure 2. Geochemical maps for Fe, Al, Cu, Mo, As, and Hg in stream sediments (catchment area—polygon) and surface
soil (in-situ sampling site—point) in the Parauapebas River Basin (PB). Note that the same concentration range for each
element is used for the map representation on both sampling media. Inset shows the Northern (NPB) and Southern (SPB)
PB. Refer to Figures S1 and S2 for the geochemical maps of the remaining PTE.
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Figure 3. Geochemical maps for Ni, Cr, Co, V, Mn, and Zn in stream sediments (catchment area—polygon) and surface soil
(in-situ sampling site—point) in the Parauapebas River Basin (PB). Note that the same concentration range for each element
is used for the map representation on both sampling media. Inset shows the Northern (NPB) and Southern (SPB) PB. Refer
to Figures S1 and S2 for the geochemical maps of the remaining PTE.
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Figure 4. Boxplots for Fe, Al, and 12 potentially toxic elements (PTE; As, Ba, Bi, Co, Cr, Cu, Hg, Mn, Ni, Se, V, and Zn) in
surface soils and stream sediments samples of the Parauapebas River Basin (PB), according to the major geological domains
of the study area: BD = Bacajá Domain and CB = Carajás Basin, both domains comprised at the Northern PB (NPB); and
RM-S-CC = Rio Maria—Sapucaia—Canaã dos Carajás domains, comprised at the Southern PB. Refer to Figure 1 for the
geological setting of the study area. Refer to Figure S3 for the boxplot of the remaining PTE.

In addition, the MWW test was carried to devaluate if the composition of soil and
stream sediment samples from BD and CB are statistically similar. Table 1 summarizes the
p-values of the MWW calculated for each element in surface soils and stream sediments
separately. In these results, the null hypothesis states that there is no difference between
the distribution of a given element in a given sampling media in BD and CB. By assuming
a significance level (σ) of 0.05, the p-values below σ imply rejecting the null hypothesis
and inform that the distributions of the respective element in BD and CB are statistically
different. In summary, Al, Ag, As, Bi, Cr, Hg, Ni, Sn, V, and Zn presented similar distribu-
tion in both sampling medium; Fe, B, Ba, Cd, Co, Mo, Pb, Sb, Se, and U presented similar
distribution only in stream sediments; Mn presented similar distribution only in soils, and
Cu presented different distribution in both sampling medium.

The integrated evaluation of the data (geochemical maps, Figures 2 and 3, Figures S1
and S2; boxplots, Figure 4 and Figure S3; and, MWW results, Table 1) highly indicates that
the study area can be divided into two separate geochemical regions, the NPB and SPB.
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For this reason, the original data set was split into two subsets for further investigation.
Table 2 summarizes the descriptive statistics (mean, SD, Min, Med, and Max) of the studied
elements in surface soils and stream sediments in the entire PB (soils = 364 samples; stream
sediments = 189 samples), which was retrieved from previous studies [24,58] using the
same data set, and for each subregion, NPB (soils = 223 samples; stream sediments = 122
samples) and SPB (soils = 141 samples; stream sediments = 67 samples).

Table 1. Summary of the p-values obtained from Mann–Whitney–Wilcoxon (MWW) Test used to verify the similarities in the
distribution of the studied elements in a sampling medium (Surface soils and stream sediments) from two different geological
domains (BD = Bacajá Domain and CB = Carajás Basin). Refer to Figure 1d for the location of the geological domains.

Element

Do the Samples from BD and CB Have Similar
Distribution? (p-Values of the MWW Test) Element

Do the Samples from BD and CB Have Similar
Distribution? (p-Values of the MWW Test)

Surface Soils Stream Sediments Surface Soils Stream Sediments

Fe 0.40 Hg 0.22 0.21
Al 0.13 0.46 Mn 0.12
Ag 0.18 0.37 Mo 0.29
As 0.37 0.43 Ni 0.09 0.90
B 0.12 Pb 0.09
Ba 0.93 Sb 0.50
Bi 0.75 0.50 Se 0.92
Cd 0.59 Sn 0.43 0.74
Co 0.20 U 0.29
Cr 0.88 0.13 V 0.30 0.07
Cu Zn 0.80 0.86

Note: Blank entries indicate p-value < 0.05.

Table 2. Descriptive statistics for Fe, Al, and 10 potentially toxic elements (PTE; As, Co, Cr, Cu, Hg, Mn, Mo, Ni, V, and Zn)
in surface soils and stream sediments. Values were calculated for the entire Parauapebas River Basin (PB; soils = 364 samples;
stream sediments = 189 samples) and for the northern (NPB; soils = 223 samples; stream sediments = 122 samples) and
southern (SPB; soils = 141 samples; stream sediments = 67 samples) regions separately. Refer to Table S1 for the descriptive
statistics of the remaining elements.

Element Region

Surface Soil Stream Sediments

LLD (% <
LLD)

Mean SD Min Med Max
LLD (% <

LLD)
Mean SD Min Med Max

Fe
PB * 0.01 (0) 4.96 5.82 0.3 2.71 29.6 0.01 (0) 4.01 5.17 0.42 1.98 35.4
NPB 0.01 (0) 6.95 6.60 0.32 4.75 29.6 0.01 (0) 5.48 5.92 0.68 3.5 35.4
SPB 0.01 (0) 1.84 1.63 0.3 1.34 9.04 0.01 (0) 1.34 0.81 0.42 1.16 4.79

Al
PB * 0.01 (0) 2.48 2.51 0.44 1.80 20.2 0.01 (0) 1.14 0.84 0.12 0.87 4.17
NPB 0.01 (0) 3.17 2.96 0.57 2.29 20.2 0.01 (0) 1.37 0.91 0.19 1.11 4.17
SPB 0.01 (0) 1.40 0.66 0.44 1.26 4.06 0.01 (0) 0.74 0.48 0.12 0.67 2.69

As
PB * 0.1 (5.2) 1.24 2.9 <0.1 0.5 38.4 0.1 (10.1) 0.66 1.00 <0.1 0.3 7.9
NPB 0.1 (1.8) 1.79 3.50 <0.1 0.9 38.4 0.1 (3.3) 0.90 1.17 <0.1 0.5 7.9
SPB 0.1 (10.6) 0.37 0.82 <0.1 0.2 7.5 0.1 (22.4) 0.22 0.24 <0.1 0.2 1.7

Co
PB * 0.01 (0) 10.71 22.6 0.2 2.9 237 0.01 (0) 11.60 12.88 0.8 6.8 66.9
NPB 0.01 (0) 12.24 25.98 0.2 3.3 237 0.01 (0) 14.96 14.52 0.8 9.7 66.9
SPB 0.01 (0) 8.27 15.69 0.3 2.3 97.5 0.01 (0) 5.49 5.21 0.9 3.3 26.8

Cr
PB * 1 (0) 82.34 296.3 2 31 3970 1 (0) 58.38 196.57 4 30 2630
NPB 1 (0) 114.35 371.76 2 44 3970 1 (0) 75.83 241.32 4 37.5 2630
SPB 1 (0) 32.63 65.82 2 12 612 1 (0) 26.61 41.41 4 15 294

Cu
PB * 0.2 (0) 48.88 79 0.5 21.8 726 0.2 (0) 48.92 73.69 1.4 20 556
NPB 0.2 (0) 66.36 90.89 1.7 34.9 726 0.2 (0) 71.55 83.32 2.6 41.65 556
SPB 0.2 (0) 21.39 42.75 0.5 8.7 438 0.2 (0) 7.73 8.49 1.4 5.2 47.4

Hg
PB * 0.01 (0) 0.1 0.1 0.02 0.07 0.54 0.01 (9.0) 0.03 0.03 <0.01 0.02 0.14
NPB 0.01 (0) 0.13 0.08 0.02 0.11 0.54 0.01 (5.7) 0.04 0.03 <0.01 0.03 0.14
SPB 0.01 (0) 0.05 0.02 0.02 0.05 0.11 0.01 (14.9) 0.02 0.01 <0.01 0.01 0.08

Mn
PB * 5 (0) 606.2 941.5 13 308 8590 5 (0) 826.32 933.84 69 547 6420
NPB 5 (0) 710.33 1136.67 27 318 8590 5 (0) 950.10 1050.42 74 609.5 6420
SPB 5 (0) 440.04 453.61 13 300 2970 5 (0) 600.94 617.48 69 428 3270
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Table 2. Cont.

Element Region

Surface Soil Stream Sediments

LLD (% <
LLD)

Mean SD Min Med Max
LLD (% <

LLD)
Mean SD Min Med Max

Mo
PB * 0.05 (0.5) 0.85 0.9 <0.05 0.48 6.34 0.05 (0) 0.57 0.60 0.06 0.36 3.49
NPB 0.05 (0) 1.16 1.02 0.06 0.84 6.34 0.05 (0) 0.75 0.68 0.11 0.545 3.49
SPB 0.05 (1.4) 0.36 0.35 0.025 0.26 2.17 0.05 (0) 0.24 0.13 0.06 0.23 0.76

Ni
PB * 0.2 (0) 21.47 87.8 0.7 6.3 1260 0.2 (0) 15.73 32.24 1.1 6.9 273
NPB 0.2 (0) 28.20 110.36 0.8 8.3 1260 0.2 (0) 20.95 38.76 1.2 9.7 273
SPB 0.2 (0) 10.89 22.43 0.7 4.6 220 0.2 (0) 6.21 7.97 1.1 4.2 47.1

V
PB * 1 (0) 81.09 87.3 1 43 435 1 (0) 50.37 57.18 2 29 410
NPB 1 (0) 111.46 93.79 4 89 435 1 (0) 68.57 63.63 2 43 410
SPB 1 (0) 33.90 45.80 1 18 369 1 (0) 17.22 12.81 4 14 75

Zn
PB * 2 (0.5) 22.35 25.7 <2 16 202 2 (0) 30.04 40.99 3 19 304
NPB 2 (0.9) 23.52 30.92 <2 14 202 2 (0) 39.28 48.40 3 24 304
SPB 2 (0) 20.53 13.95 4 18 120 2 (0) 13.22 6.80 4 13 40

Note: The concentration unit is expressed in mg kg−1, except for Fe and Al in wt.%; DL = Lower limit of detection; % < DL = % of data
below LLD; Mean = Arithmetic mean; SD = Standard deviation; Min = Minimum; Med = Median; Max = Maximum; ‘*’ = Surface soil data
from [24].

The use of intersection function under geoprocessing environment allowed plotting
and merging of soil samples with stream sediment catchment areas. It is important to
highlight that a single microcatchment, which is represented by only one stream sediment
sample, can be merged to multiple soil samples, or even none in the rare cases of no col-
lected samples in the catchment area. Scatter plots comparing the concentrations of selected
elements in surface soil (y-axis) and stream sediment (x-axis) samples were constructed to
verify a possible relationship between them by using linear regression analysis (Figure 5
and Figure S4). Spearman’s correlation coefficient (ρ) and p-value of the linear regression
are presented. In general, the majority of the selected elements presented a significant
correlation (p < 0.05), excepting for Cd, Ba, B, and Zn (p > 0.05; Figure S4). Three groups
were observed: (i) Strongly (ρ ≥ 0.5) correlated materials: Fe, As, Cu, and U in Figure 5; Bi,
Sn, Mo, and V in Figure S4; (ii) Moderately (0.49 < ρ ≤ 0.3) correlated materials: Hg, Ni, Cr,
and Sb in Figure 5; (iii) Weakly (ρ ≤ 0.29) to non-significant (p > 0.05) correlated materials:
Al, Mn, and Co in Figure 5; Se, Ag, Pb, Cd, Ba, B, and Zn in Figure S4.

In this study, geochemical threshold concentration values were determined for all 22
studied elements in soils and stream sediments, but contrarily to the approach adopted in
previous studies [24,58], distinct threshold values for the NPB and SPB were calculated, by
using a variety of statistical methods (MMAD, TIF, and percentile-based techniques, e.g.,
P98 and P95; Table 3). Threshold values of each individual subregion were then compared
to threshold values proposed for the whole PB, determined in previous studies of soil [24]
and stream sediments [58].
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Figure 5. Scatter plot comparing the concentrations of selected elements in surface soil samples against stream sediment
samples. Three groups of elements were observed: (i) Strongly correlated materials (e.g., Fe, As, Cu, and U); (ii) Moderately
correlated materials (e.g., Hg, Ni, Cr, and Sb); (iii) Weakly to non-significant correlated materials (e.g., Al, Mn, and Co);
Additional scatter plots for the remaining elements are presented in Figure S4.
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Table 3. Geochemical threshold values for Fe, Al, and 10 potentially toxic elements (PTE; As, Co, Cr, Cu, Hg, Mn, Mo,
Ni, V, and Zn) in surface soils and stream sediments, estimated by a variety of methods [Median + 2 Median Absolute
Deviation (MMAD), Tukey’s inner fences (TIF), the 98th (P98) and 95th (P95) percentiles]. Values are provided for the entire
Parauapebas River Basin (PB, retrieved from previous studies), for the northern (NPB) and the southern (SPB) regions
separately, determined in the present study. Guideline values reposted by Brazilian environmental agencies are presented
as references. Refer to Table S2 for the results of the remaining elements.

Element Regions

Geochemical Threshold in
Surface Soil

Soil Guidelines
Geochemical Threshold in

Stream Sediments

Stream
Sediment

Guidelines

MMAD TIF P98 P95 QRV b PGV c MMAD TIF P98 P95 L1 d L2 d

Fe
PB a 25.7 58.21 24.55 18.2 12.02 29.51 17.76 12.94
NPB 34.24 68.63 27.51 22.65 22.93 42.89 26.74 16.73
SPB 6.93 12.24 6.92 5.99 3.54 5.20 3.74 2.88

Al
PB a 5.62 8.51 11.22 8.32 � � 3.32 2.76
NPB 6.51 8.89 12.45 10.57 6.25 10.72 3.44 3.16
SPB 3.34 4.74 3.05 2.65 2.87 3.63 2.01 1.51

As
PB a 7.2 14.1 7.2 4.5 2.4 4.6 3.9 2.4
NPB 7.0 14.9 9.4 5.2 3.5 15 2.3 6.1 4.5 2.9 5.9 17
SPB 1.6 3.2 1.1 0.6 1.6 1.6 0.8 0.5

Co
PB a 69.2 201.8 79.4 47.9 � � 51.4 42.5
NPB 96.4 284.9 96.5 48.9 13 25 93.2 190.1 52.2 48.3
SPB 35.7 91.7 64.5 37.0 16.7 39.6 18.3 16.3

Cr
PB a 562 1413 468 191 191 331 275 138
NPB 564 1401 661 254 40 75 160 277 348 139 37.3 90
SPB 161 529 204 117 68 121 134 89

Cu
PB a 398.1 1216.2 275.4 162.2 512.9 � 288.5 177.0
NPB 365.9 926.3 302.7 223.7 35 60 482.4 1223.9 306.0 190.5 35.7 197
SPB 72.7 203.1 101.9 70.7 20.0 35.1 37.8 22.8

Hg
PB a 0.16 � 0.13 0.10
NPB 0.40 0.55 0.32 0.27 0.05 0.5 0.23 0.31 0.13 0.11 0.17 0.486
SPB 0.14 0.25 0.10 0.09 0.08 0.06 0.06 0.04

Mn
PB a 3890 8810 2884 1995 3548 6383 3387 2564
NPB 4835 14,783 3908 2359 4503 8660 3732 3117
SPB 2538 5083 1793 1250 3079 4643 2766 1839

Mo
PB a 4.79 10.59 3.31 2.88 1.95 � 2.92 1.69
NPB 6.11 11.43 3.60 3.14 <4 30 2.82 4.63 3.02 2.36
SPB 1.10 1.58 1.70 0.99 0.73 1.02 0.51 0.46

Ni
PB a 60.3 142.9 107.2 52.5 45.7 88.1 100.3 46.8
NPB 98.8 173.0 174.2 64.1 13 30 56.4 127.0 137.3 71.0 18 35.9
SPB 32.6 80.0 78.7 33.5 12.6 19.5 36.4 17.5

V
PB a 891 2512 331 269 234 � 188 162
NPB 769 1831 344 284 360 931 239 183
SPB 141 288 160 121 61 112 47 40

Zn
PB a 63 89 115 65 60 88 27 18
NPB 53 84 144 74 60 300 83 169 216 114 123 315
SPB 54 75 55 43 47 55 27 24

Note: The concentration unit is expressed in mg kg−1, except for Fe and Al in wt.%; Italic or “�” (value not available): threshold values
greater than the maximum value; a Results reported in previous studies of soil [24] and stream sediments [58] of the PB; b Quality reference
value (QRV) reported by the Sao Paulo Sanitation Technology Company (CETESB) [59]; c Prevention guideline value (PGV) reported by the
National Council of the Environment (CONAMA) of Brazil [50]; d Threshold levels 1 (L1) and 2 (L2) reported by CONAMA [60]. Blank
entries indicate data not available.

5. Discussion

5.1. Regional Geochemical Distribution of Fe, Al, and PTE in Soils and Stream Sediments

The geochemical signature of an element in a given sampling medium provides
important information about external controlling conditions, either natural or anthropic.
The geochemical maps for Fe, Al, and 20 PTE (Figures 2 and 3, Figures S1 and S2) in the two-
sampling media, as assessed by visual inspection, are notoriously similar. The composition
of soils and stream sediments appears to be strongly controlled by bedrock lithologies in
the area (Figure 1c), with evident differences between the north and south of the study
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area. Higher concentrations for the majority of the elements in both sampling media are
observed in the NPB in comparison to SPB (Figure 1b).

The spatial distribution of these elements is well-documented in previous studies
of soil [24,44] and stream sediment [45,58]. For instance, the concentrations of Fe, V, As
(Figure 2) (±Cd, Sb and Ag; Figure S1) and relative concentrations of Al, Ba, Mn, and Zn
(Figures 2 and 3, Figure S2), along with two E-W corridors (tectonic trend of the region)
in the NPB are controlled by the occurrences of Fe-Al-rich duricrusts, formed by the
intense weathering of metamafic rocks and BIF of the Carajás Formation, which hosts the
world-class Fe deposits (N4, N5, and S11D) of Carajás [61–63].

Similarly, the concentrations of Ni, Cr, Co, and ±V (Figure 3) are strongly controlled
by the metavolcanic rocks of the Parauapebas Formation, generally intercalated with rocks
from the Carajás Formation, and cross-cut by local mafic to ultramafic rocks of the Cateté
Intrusive Suite (the Luanga Complex, located in the NE of the NPB; the Vermelho Complex,
in the southern area of the NPB) [37,64]. Local anomalies also occur in the south of the SPB,
due to the occurrences of Sapucaia greenstone belt [65].

The spatial distribution of Cu, Mo (Figure 2), and to a lesser extent Se (Figure S1) is a
response of mineralization zones along two E-W corridors (northern and southern copper
belts [27]) in the NPB, similarly observed for Fe and related elements. To some extent,
higher concentrations of Se (Figure S1) were observed in stream sediments and, especially,
in soils of the north of NPB, along the northern copper belt in comparison to the southern
copper belt. This evidence indicates that these two corridors do not share common surface
multi-element signatures, perhaps, due to different metallogenic evolution [27].

Uranium, Pb, and Sn tend to concentrate in quartz-feldspar rocks, such as granites and
felsic granulites, particularly those with an alkaline tendency. In the NPB, the main sources
for the enrichment of these elements are A-type granitoids (e.g., Estrela and Igarapé Gelado
granites) and Paleoproterozoic anorogenic granites (e.g., Seringa and Serra dos Carajás
granites) [38]. In addition, unusually high concentrations of Mn, Co, and Ba (Figure 3
and Figure S2) in soils and stream sediments and B in soils (Figure S1) were observed in
the NW region of the SPB, under the influence of charnockitic rocks (Figure 1d) of the
Diopside-Norite Pium unit [28].

Using integrated geochemical maps is important not only for understanding the re-
gional distribution of a given element but also to compare two (or three) different sampling
mediums in terms of concentration magnitude and source. Although, as described, the
different lithologies of the area are the main source of enrichment for Fe, Al, and the 20 PTE.
However, anthropogenic contributions cannot be disregarded and further studies should
be conducted.

5.2. The Geochemical Compartmentation of PB as Subsidy to Territorial and Watershed Management

Watershed management is essential for planning the sustainable use of natural re-
sources. It supports many kinds of human needs in terms of water consumption, food
production, recreation, and most importantly the maintenance of ecologic function [66].
Each watershed has its own particularities, for instance, climate conditions, land use, hu-
man occupation, and, for the purpose of the present study, geochemical background. All
these multidisciplinary concerns have increased the need of developing robust watershed-
management strategies aiming for realistic environmental policies [67].

As presented in previous studies, the chemical composition of soils [24,44] and stream
sediments [45] changes with the geological domain across the IRW, including the study area
(Figure 1b). Nevertheless, minor differences were also observed between the BD and CB in
terms of spatial distribution for many elements, as discussed previously. The boxplots for
the studied elements (Figure 4 and Figure S3) display the difference among the geological
domains of the PB area (Figure 1d), suggesting that many elements actually present similar
distribution (e.g., Al, As, Bi, and Cr; Figure 4). For this reason, the element concentration
in soil and stream sediment samples from these two domains were statistically compared
using the MWW test (Table 1). The obtained results suggest that dividing the study area
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into NPB and SPB is statistically acceptable, at least for surface geochemical studies at a
regional scale. However, the geochemical data of Cu in the PB represents a clear exception
to this approach. Not only the MWW test revealed different statistical distribution between
BD and CB (p-value < 0.05; cf. Table 1), but also the boxplots (Figure 4 and Figure S3) and
the integrated geochemical map (Figure 2). The Cu signature in the PB is a clear response
from highly mineralized areas that constitute a geochemical and metallogenic province [68],
which cannot be generalized in terms of watershed management.

5.3. The Relationship between Surface Soil and Stream Sediment Geochemistry

A visual inspection of the boxplots (Figure 4 and Figure S3) and the comparison of
descriptive statistics results (Table 2 and Table S2) revealed that element concentrations in
soils are generally greater than in stream sediments of PB. This is particularly true for Fe,
Al, Ag, As, B, Bi, Cd, Cr, Cu, Hg, Mo, Sb, V, Se, and Sn, and it is not observed for Ba, Co,
Mn, Ni, Zn, Pb, and U. By using geoprocessing techniques, it was possible to identify the
soil samples that are geographically located at a given catchment area, which is represented
by a stream sediment sample collected at the outlet, and compare them. Scatter plots used
to evaluate the relationship between surface soil and stream sediment samples revealed
that these sampling media are strongly to moderately correlated for many elements (Fe,
As, Bi, Cr, Cu, Hg, Mo, Ni, Sb, Sn, U, and V; Figure 5 and Figure S4), but weakly to other
elements (Al, Ag, B, Ba, Cd, Co, Mn, Pb, Se, and Zn; Figure 5 and Figure S4). In terms of
source apportionment, in the case of the elements with strong to moderate correlations
the composition of soils and stream sediments seems to be both controlled by the bedrock
lithologies or, alternatively, the soils themselves are the primary source for the constitution
of stream sediment, driven by erosion processes that have been directly influenced by the
deforestation in the area over the past decades [69]. The weak correlations may be due to
three reasons: (i) Mineralogical sorting during hydrodynamic and sedimentation processes.
For instance, Al is a major constituent of kaolinites, which is a naturally occurring mineral
in the soils of the Amazon [70], but to a lesser extent in active river sediments; (ii) low
sensitivity of the analytical method, which is clearly the case for Ag, B, Ba, Cd, and Se;
(iii) Different sources contributing to the enrichment of an element in a given sampling
media. For this case, Ba, Co, Mn, Pb, and Zn captured our attention because these elements
are well-known for being part of important biogeochemical processes that take place in
nature [71].

5.4. Geochemical Threshold Variation in Soils and Stream Sediments vs. Environmental Guidelines

The existence of solid legislations proposing reference-quality guideline values for
different regions, demarked by considering a multidisciplinary approach, including the
definition of geochemical compartments, instead of simply using political boundaries
would be ideal. Under this context, the variation of the background concentrations in soils
and stream sediments of the PB and the quality guideline values proposed by Brazilian
environmental agencies [50,59,60] should be critically evaluated.

Firstly, the threshold values calculated by using statistical techniques widely applied
in geochemical studies [72–74] pointed out different results among each statistical method
(Table 3 and Table S3). These differences occur due to the statistical approach and the
central criteria of the method, which is widely discussed in the literature [17,22,23,44,45].
In general, the highest background values were obtained by the TIF method, with several
overestimated values (cf. Table 3 and Table S3). The P98 and P95 deliver threshold values
by considering a fixed percentage of outliers, within the range of values in the data set,
which is not entirely appropriate. Among the methods used herein to derive threshold
concentration values, the MMAD appears to derive more consistent and realistic results.
This conclusion has been also achieved in other studies [17,22,23]. For this reason, the
following discussion will be addressed by using the MMAD results (Table 3 and Table S3).

The comparison of the threshold values, in both sampling media, between the NPB
and the SPB regions revealed significant discrepancies. For instance, the threshold concen-
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trations of Fe in soils of the NPB and SPB are 34.24 and 6.93 wt.%, respectively, and in stream
sediment are 22.93 and 3.54 wt.%, respectively (Table 3). Similar behavior is observed for
the majority of the studied elements (cf. Table 3 and Table S3). The differences observed in
each region are a direct influence of the natural geological/geochemical variation, already
described in this study, confirming the consistency of the results presented here.

The previous results demonstrated the existence of a large natural spatial variation
of PTE in the territory of PB and indicated that establishing threshold values for the NPB
and SPB regions is more adequate than assuming a uniform value for the entire PB. This
conclusion is also relevant in terms of defining quality guideline values for large areas
elsewhere. For instance, the comparison of threshold values in NPB and SPB (cf. Table 3
and Table S3) for some PTE [As (NPB = 2.3; SPB = 1.6), Cd (NPB = 0.16; SPB = 0.01), Pb
(NPB = 24.4; SPB = 14.2), and Zn (NPB = 83; SPB = 47; all values in mg kg−1] contemplated in
the Brazilian environmental resolution of stream sediments [60] shows that they have their
threshold concentrations below the Level 1 (L1; also known as the Threshold Effect Level—
TEL [75]) proposed by the National Council of the Environment (CONAMA) of Brazil [60]
for the mentioned elements (cf. Table 3 and Table S3). Mercury exhibits a threshold value
in NPB (0.23 mg kg−1) greater than the L1 (0.17 mg kg−1), but the referenced value in SPB
(0.08 mg kg−1) is lower than L1. Nickel shows in NPB threshold value (56.4 mg kg−1)
greater than the Level 2 (L2, also known as the Probable Effect Level—PEL [75]; L2 of
Ni = 35.9 mg kg−1), but in the SPB the obtained value (12.6 mg kg−1) is lower than L1
(18 mg kg−1). The greatest differences were observed for Cu (482.4 mg kg−1) and Cr
(160 mg kg−1), for which threshold values in the NPB are considerably greater than the
L2 (Cu = 197; Cr = 90 mg kg−1). On the other hand, the threshold values in SPB for Cr
(68 mg kg−1) are between the L2 and L1) (respectively, 90 mg kg−1 and 37.3 mg kg−1), and
for Cu (20 mg kg−1) below L1 (35.7 mg kg−1).

The quality guidelines of soils in Brazil are based on two resolutions, a Federal
resolution [50] applicable for the entire Brazilian territory, which presents Prevention
Guideline Values (PGV), and a State resolution for the definition of Quality Reference Value
(QRV), which corresponds to the geochemical background. In the absence of QRV for
the State of Pará (PA), where the PB is situated, the State Secretariat of the Environment
and Sustainability (SEMAS-PA) adopted for the Pará territory the same QRV presented
by the São Paulo Sanitation Technology Company (CETESB) [59], derived for the State of
São Paulo.

Firstly, it should be emphasized that it is profoundly inadequate to establish geo-
chemical background values for a given area (e.g., the PB situated in the State of Pará)
based on values of another region (e.g., the State of São Paulo), with completely different
environmental, geological and geochemical characteristics. This is clear when comparing
the threshold values of the PTE with the QRV proposed by the State resolution [59]. Among
the 14 PTE contemplated in the resolution, ten (As, Ba, Co, Cr, Cu, Hg, Mo, Ni, Pb, and
Se) presented generally, in both NPB and SPB, higher threshold values in comparison to
the QRV. From this group, when compared to the PGV, which values are somewhat higher
than those of QRV (Table 3 and Table S3), the discrepancies with assumed background
values of PB are reduced. In contrast, Ag, Cd, and Zn presented lower threshold values
than the proposed QRV and PGV, whereas Se showed in NPB and SPB background values
higher than QRV and lower than PGV (Table 3 and Table S3).

Secondly, instead of defining realistic threshold values for the entire State and some
relevant areas, it appears that environmental agencies tend to define even more conserva-
tive QRV values, which is clearly seen by comparing the QRV and PGV values (Table 3 and
Table S3). It is highly recommended that new QRV values should be established for the
different large geological domains of the State of Pará, in particular for the Carajás region,
by using soil samples from the area of investigation and considering the complexity of the
geological setting, as similarly conducted in previous studies in the State of Pará [76,77].

The issues addressed above show how understanding the variation of the geochemical
background is important for territorial and watershed management. Therefore, the source
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of the anomalies of the PTE needs to be carefully investigated on a case-by-case basis,
considering the local scenario (geology, land use, possible anthropic interventions). It is not
demonstrated that high concentrations of some PTE, above the threshold values, are indeed
influenced by anthropogenic activities. In the case of PB, the majority of the soil and stream
sediment samples with values above the threshold is actually due to bedrock lithologies and
hydrothermal mineralized zones (e.g., northern and southern copper belts) that naturally
occur in the area. This reinforces the need for new environmental resolutions, which
consider the regional characteristics and can thus provide more realistic guideline values.

6. Conclusions

Soils and stream sediments of the PB are strongly influenced by the geological envi-
ronment of the region. The geochemical maps revealed substantial differences between
the NPB and the SPB regions. At the regional scale, the local anomalies are mostly influ-
enced by the bedrock lithologies rather than by any anthropogenic impact. Significant
evidence has shown that the metavolcanosedimentary rocks of the CB and, particularly, the
mineralizations along the northern and southern Cu belts in the NPB are the main source
for several anomalous concentrations of PTE in both sampling media. Considering the
elements under investigation in the PB area, the geochemical compositions of soils and,
especially, stream sediments of the BD and CB are statistically similar. The soils and stream
sediments are strongly to moderately correlated for many elements (Fe, As, Bi, Cr, Cu,
Hg, Mo, Ni, Sb, Sn, U, and V), which suggest the same rock source or, in some cases, the
soils themselves as the primary source for the constitution of stream sediments, driven by
erosion processes and intensified by the deforestation in the area. The comparison between
new statistically derived threshold values of the NPB and SPB regions with the threshold
values of the whole PB and to quality guidelines proposed by Brazilian environmental
agencies demonstrates that a uniform value of quality guideline is not adequate, because
it does not consider the natural geological/geochemical variation of the area. For this
reason, geochemical compartments, instead of political boundaries, should be considered
prior to defining new guideline values. The integrated assessment used here is easily
replicated and remarkably useful for territorial and watershed management, important for
the Sustainable Development Goals.
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Abstract: There is an intense and continuous growth of the world population living in cities. This
increase in population means an increase in car traffic, an increase in new constructions and an
increase in the production of waste that translates into an intensive use of land, particularly in terms
of soil contaminants. Among other environmental contaminants, toxic metals, such as lead (Pb),
cadmium (Cd), nickel (Ni) and chromium (Cr) represent a public health problem. In this study the
content of toxic metals in Lisbon’s (Portugal) soils was determined. The study was conducted over
approximately a decade in six city locations, with a total of about 700 samples. Each site has different
urban characteristics: traffic zone, residential area, urban park and mixed areas. The study allowed to
verify the heterogeneity of metal content values in the city soils and their dependence on local traffic.
Metal contents were determined by graphite furnace atomic absorption spectroscopy (GFAAS). For
each site the geo-accumulation index, pollution factor, degree of contamination, pollution load index
and ecological risk factor were calculated. The mean concentrations of Cd, Cr, Ni and Pb in soils were
0.463, 44.0, 46.6 and 5.73 mg/kg of dry soil, respectively. In the last year of the study the values were
0.417, 51.5, 62.4 and 8.49 mg/kg of dry soil, respectively. Cd and Ni exceeded the typical content
values of these metals in the earth’s crust, indicating their anthropogenic origin. The correlation
analysis revealed a significant correlation between Cr and Ni, Cd and Ni and Cd and Pb contents in
the city soils. Regarding the results obtained in this long monitoring campaign, Lisbon’s soils can be
considered as having low levels of pollution by these metals.

Keywords: urban soils; heavy metals pollution; soil contamination; pollution indexes; health
risk; GFAAS

1. Introduction

The population living in urban areas has been continuously increasing in the last few
decades [1,2] and it is estimated by the United Nations that nowadays the majority of
people lives in urban areas, not only in Europe but also in less developed countries [3].
Urban environments have then become extremely important in what human health and
wellbeing is concerned. Urban soils are a fundamental component of urban ecosystems
contributing directly or indirectly to the general quality of life of cities’ inhabitants. They
play an important role in many processes such as in the cycling of elements, filtration of
water, supporting plants and some built infrastructures. However, soils are very often
contaminated by the anthropogenic activities like vehicle traffic or industrial activities [4,5].

Different anthropogenic sources, just like industry, energy production and fossil fuels
combustion in vehicle traffic, release to the atmosphere pollutants containing heavy metals
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that can contribute to the contamination of soils by dry or wet deposition [6,7]. Heavy
metals, such as Pb, Zn, Cr, Ni or Cd, are the most frequently studied inorganic contaminants
in urban soils and can be linked to adverse health hazard effects [8–10] since they cannot
be decomposed by micro-organisms having a long-term toxicity for plants, animals and
humans. High concentrations of heavy metals have been identified in many studies of
urban soils, especially Pb [11] due to the use of leaded petrol [12,13]. With regulations
like the one banning leaded petrol [14], emissions from single vehicles have been reduced,
although this effect could be compensated by the worldwide increasing road traffic [15,16].
Emissions resulting from vehicle traffic are mostly caused by wear of vehicular components
like break lining, tire wear off and exhaust, as well as from incomplete fuel combustion,
fuel additives or oil leaking from vehicles [17].

Due to the importance of the quantitative identification of potential sources of heavy
metals in soils, source apportionments for these metals concentrations have been per-
formed by principal component analysis (PCA) and positive matrix factorization (PMF)
models. These models assume significant correlations of compounds derived from the
same sources [18,19]. Moreover, some indexes are fairly used to evaluate the degree
of heavy metal pollution in the soil. The most common one is the enrichment factor
(EF) [18,20,21] but others, namely the geo-accumulation index (Igeo) [20], the contamination
factor (Cf) [22–24], the pollution load index (PLI) [21,22] or the ecological risk factor [23,24]
are also widely used.

In cities, soil pollution is important due to the health risks of its inhabitants. Many
particulate pollutants in the air are originated in soil and its composition and size determine
its impact on health. In this work, soils from a set of carefully chosen different locations
in the city were sampled from 2003 to 2011 and heavy metals contents (Pb, Cr, NI and
Cd) were analyzed by GFAAS (graphite furnace atomic absorption spectrometry). The
metals under study were considered due to their negative effects on human health and are
therefore metals that are subject to surveillance in the European regulation of atmospheric
pollution [25] and pollution of soils and groundwater [26]. Results are discussed in terms of
the level of contamination of these soils as well as pollution and ecological risks associated
with that contamination.

2. Materials and Methods

2.1. Sampling Sites

Soil samples were collected from six different sites in the city of Lisbon. Lisbon is
the capital city of Portugal with about half a million inhabitants and 2–2.5 millions of
commuters every day. Since industrial activity is almost inexistent in the city, the main
anthropogenic source of air and soil pollution relies on vehicle traffic.

The sampling sites (Figure 1) were chosen taking as criteria the level of automotive
traffic, the population density, and the topology of the site. The existence of a high
population density is important in order to reduce the health risk due to soil pollution,
in particular from its use in urban gardens or parks. The topology of the site is critical to
interpret whether the dispersion of the pollutants is favored in each location.
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Figure 1. Soil sampling sites in the city of Lisbon.

The characteristics of each location are: CE1—City Entrance in Belém (GPS: 38.69562,
–9.19930)—one of the city entrances with an open topology and characterized by a high
traffic intensity as well as a high population density; CE2—City Entrance in Calçada de
Carriche (38.72653, –9.14992)—another city entrance, with a valley topology and a steep
slope of entrance in the city. It is also characterized by a high traffic intensity and a high
population density; UH—Urban Highway of Segunda Circular (38.75796, –9.16339)–a city
circular road with urban highway characteristics. Moreover, it is characterized by an open
topology and a very high traffic intensity; CC—City Center at Marquês de Pombal (38.78163,
–9.16551)—it has a valley topology and is a high traffic, as well as a high population density
site; RA—Residential Area (38.75741, –9.11784)—in the neighborhood of Olivais with open
topology and a low traffic intensity; CP—City Park of Monsanto (38.73387, –9.17786)—a
small sloping mountain and the major city green park. It has a low traffic intensity and no
residential population or buildings.

2.2. Sampling Procedure

Soil sampling was performed according to ASTM E1727-04/05, Sampling and analysis
of soil, part IIIa recommendations [27]. Soil sampling was carried out in November of each
year. Samples were collected following a concentric profile around a tree in which leaves
were also collected for analysis. The soils were collected according to the four cardinal
points (north, south, east and west) at 1, 3 and 5 m radius circle. The total area covered by
this systematic sampling procedure was 100 m2. Soil samples were collected at a depth of
20 cm, using plastic (PVC) tubes with 3.5 cm in diameter and stored in black plastic sampling
bags. Sample handling was always performed with plastic instruments in order to ensure
non-contamination of the soils by metals from usual sampling tools. Each collected sample
was identified with a label encoding information of the sampled site, year, cardinal point
and distance to the tree, in order to ensure full traceability of the samples. A total of 648 soil
samples were collected in the six sampling sites of the city and for nine years.

2.3. Sample Preparation

In the laboratory, soil samples were dried for 12 h in an oven at about 50 ◦C, followed
by manual cleaning using a plastic tweezer to remove roots, stones, glasses, snails, earth-
worms and insects. Thereafter samples were sieved for 20 min on a 2 mm nylon sieve
using a Retsch AS200 shaker (Retsch, Düsseldorf, Germany). Only the fraction of soil
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with particles size less than 2 mm was taken. The resulting sample was homogenized and
divided by the quartile method into four parts.

Two portions of each quartile were dried at 105 ◦C, for 24 h in porcelain capsules. After
complete drying, soils were stored in desiccants until grinding. Grinding was performed
on a Retsch S100 ball mill of agate grinding jars and agate balls for 5 min at 400 rpm. After
milling, the diameter of the soil particles was less than 1 μm. About 50 cm3 of each of the
12 samples from each local and each year were stored and used as the composite sample of
that local and that year. Two portions of the composite sample, of about 100 g each, were
used to perform the duplicate analysis of the studied metals.

2.4. Soil Characterization

Composite samples of the first (2004) and last (2011) years, from each site were
characterized in terms of pH, conductivity, humidity and organic matter content.

The procedure for pH measurement was conducted according to ISO 10390:2015 [28]
and involved the preparation of a 10 g of soil in 25 mL of CaCl2, 0.01 M suspension,
followed by pH measurement with a calibrated pH meter. For conductivity measurement
a 20 g of soil in 100 mL of ultrapure water suspension was used. The humidity of the
samples was determined according to ISO 11465:1993 [29] with the samples to be heated at
105 ◦C until constant weight. The humidity was then calculated by the weight difference
between the initial and the dried sample. The determination of organic matter according to
European Standard CEN/TC [30] involved heating and calcining the samples at 550 ◦C
for the complete destruction of organic matter. This procedure was performed after the
determination of sample humidity and the samples were calcined until constant weight.
The organic matter contents were calculated by the weight difference between the dried
and the calcined samples.

2.5. Metals Determination

For the determination of the metals under study in soils, 2 g of each sample were
subjected to an acidic digestion process as described in ISO 11466:2010 [31]. The extraction
of the metal content was conducted with aqua-regia, using a conventional heating process
(open sand bath system) at (120 ± 10) ◦C. The residue from the acidic digestion was
filtrated using a cellulose filter and diluted to a final volume of 100 mL with ultrapure water
(18.2 MΩ cm).

Each metal content in the soil samples was determined by GFAAS, in a Thermo
Elemental SOLAAR, Suite M5 Spectrometer, equipped with an automatic sampler FS95
and a graphite furnace GF95, controlled by SOLAAR software, v.11.2.

2.6. Evaluation of Environmental Risks—Pollution and Ecological Index Models

Determining the concentration of toxic metals in soil is not enough to assess the state
of soil pollution. It is common to use several indexes to estimate the degree of soil pollution
and the ecological risk of the soil for humans and biota. The most important are the
enrichment and contamination factors, the pollution and geo accumulation indexes and
the ecological risk factor. These indexes are presented and explained below according to
their original definition in the references cited for each one.

2.6.1. Geo-Accumulation Index (Igeo)

The Geo-accumulation index (Igeo) is calculated with the formula proposed by Förstner
and Müller [32]. This relationship (Equation (1)) is used to assess the degree of contamina-
tion of soil and water by metals.

Igeo = log2
CM

1.5 × CB
(1)

In Equation (1) CM represents the concentration of the metal in the soil and CB repre-
sents the background concentration of that same metal in unpolluted soils.
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According to Förstner and Müller [32], Igeo values are categorized into seven contami-
nation classes ranging from Class 0 (Igeo < 0) classified as “uncontaminated” until Class 6
(Igeo > 5) classified as “extremely contaminated”.

It should be noted that Igeo value greater than 6 is an indication of soils with 100 times
the metal concentration considered as background value, a very high pollution by the
metal under study.

2.6.2. Contamination Factor (Cf)

The contamination factor defined almost simultaneously by Tomlinson et al. [22]
and Hakanson [23] was used to measure levels of metal pollution in sediments in lakes.
However, these factors were widely adopted for the calculation of pollution indexes also
in soil. The factor is defined as the ratio between the metal concentration in the soil (CM)
and the reference concentration of that same metal in unpolluted soil (Cb), the background
values or preindustrial reference values (Equation (2)).

Cf =
CM

Cb
(2)

Considering the calculated index, soils can be classified according to the contamina-
tion levels proposed by Hakanson [23] from “low contamination” (Cf < 1) to “very high
contamination” (Cf ≥ 6).

2.6.3. Degree of Contamination (Cd)

The degree of contamination (Cd), also defined by Hakanson [23], represents the sum
of the contamination factors. While the contamination factor represents the individual
contribution of each metal, the degree of contamination considers all the n polluting metals
in a given location, and is defined by Equation (3):

Cd = ∑ Cf (3)

The classification used for this factor was also proposed by Hakanson [23] and goes
from “low degree of contamination” for Cd < 8 to “very high degree of contamination” for
Cd ≥ 32 indicating serious anthropogenic pollution.

2.6.4. Pollution Load Index (PLI)

The Pollution load index (PLI) proposed by Tomlinson et al. [22] measures the over-
all degree of contamination in the sample and is often used to calculate the degree of
soils pollution and other polluted ecosystems. For a site or zone, it is calculated using
Equation (4):

PLIzone = n
√

Cf(1)× Cf(2)× Cf(3)× . . . × Cf(n) (4)

Adapting the concept defined for the calculation of PLI for an estuary, the PLI for a
city can be obtained using the PLI of each zone (Equation (5)).

PLIcity = n
√

PLIzone 1 × PLIzone 2 × PLIzone 3 × . . . × PLIzone n (5)

2.6.5. Ecological Risk Factor (Er) and Global Potential Ecological Risk (RI)

The ecological risk factor (Er) proposed by Hakanson [23] is used to assess the ecologi-
cal risk of an element in the soil and can be obtained using Equation (6):

Ei
r = Ti

r × Ci
f (6)

where Ci
f is the contamination factor of element i and Ti

r is the toxic response factor of
element i. The toxic response factors for Cd, Cr, Ni and Pb are 30, 2, 5, 5, respectively [23].

Er values proposed by Hakanson [23] are divided in five ranges from “low potential
ecological risk” for Er < 40 to “very high ecological risk” when Er > 320. The sum of the
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individual potential risks (Ei
r) gives the global potential ecological risk (RI) for the soil

(Equation (7)).
RI = ∑ Ei

r = ∑ Ti
r × Ci

f (7)

Originally, the global ecological risk was a diagnostic tool for water pollution control
but presently it has been used with success for assessing quality of sediments and soils
contaminated by heavy metals [33–36]. The classification of the global ecological risk (RI),
according to Hakanson [23], varies from “low global ecological risk” (RI < 150) to “very
high global ecological risk” (RI > 600).

2.7. Quality Control and Quality Assurance

Analyses were performed carrying out quality assurance and quality control pro-
cedures to provide high analytical precision. Special care was taken to minimize cross-
contamination, contamination of glass material. Additionally, all efforts were made to
minimize contamination from air.

The GFAAS operating conditions were optimized for each metal using reference metal
standard solutions, CertiPUR® from Merck (Darmstadt, Germany). Sample concentrations
were determined using calibration curves evaluated in terms of linearity and sensitivity,
according to the obtained correlation coefficient and slope, respectively. Limits of detection
and quantification for each metal were determined. The validity of the calibration curves
was performed daily using control standards prepared using CertiPUR® standards from
Merck in the same acid matrix used for soil samples. For the control standards the same
procedure analysis used for real samples was applied. Two control standards were used to
test the precision of the calibration curve of each metal in two points: ~25% and 75% of the
linear range. The precision of the calibration curve was maintained between 2% and 5%
and never higher than 8%.

The extraction method was validated through a soil certified reference material (BCR
CRM-142R Light Sandy Soil) from IRMM (Institute for Reference Materials and Measure-
ments). The reference soil was subjected to the same acid digestion procedure as the soil
samples and the recovery percentage values of the CRM were 93% for Pb, 106% for Cd,
93% for Ni and 0% for Cr (since the CRM did not contain chromium).

All samples were digested and analyzed in duplicate, and the final content was always
considered as the average value of six measurements made in repeatability conditions.

2.8. Statistical Analysis

The software SPSS® v22.0 from IBM Corp. was used to perform a correlation analysis
between the content of each metal in the different sites and the several years studied.
Principal component analysis (PCA) was carried out with Varimax rotation with Kaiser
normalization, in order to verify the existence of relationships between metal contents in
soils analyzed in different city sites over the studied years [37].

3. Results and Discussion

3.1. Soil Characterization

Composite soil samples of the years 2004 and 2011, from each site, were characterized
in terms of pH, conductivity, humidity and organic matter content. The values obtained
are shown in Table 1.

Table 1. Soil characteristics in two years of sampling.

Year
Rainfall

(mm)
Humidity

(%)
Organic Mat.

(%)
Conductivity

(μS/cm)
pH

2004 553 0.79 ± 0.05 7.11 ± 1.74 316 ± 46 7.41 ± 0.16
2011 1045 4.28 ± 0.16 9.58 ± 2.44 328 ± 43 7.34 ± 0.17
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When comparing both years, the values of pH, organic matter and electrical conduc-
tivity are identical. The main difference is found in the humidity values, as they depend
directly on the rain on the days before sampling and not on annual precipitation. The
paired t-test performed between each of the variables and for the two years, showed that
all data pairs are statistically significant (p = 0.05) with the exception of humidity data.

3.2. Soil Metals Contents

Metal content values of the sampled soils in the different city sites are presented in
Table 2. Overall, and for most metals there is an increase in their content in soils over the
years, except for two sites, residential area (RA) and city park (CP). Detailing the analysis
of the data for each metal it was found that cadmium levels increased at the entrances (EC1
and EC2) and in the city center (CC), registering however a slight decrease in these places
in the last year of sampling. In the urban highway (UH) the levels are stable, showing a
decrease over the years in the residential area and in the city park, although being smaller
the decreasing trend in these locations. the values for each metal content in each sampled
site over the years are shown in Figure 2.

 
City Entrance 1   City Entrance 2    Urban Highway      City Center       Residential Area     City Park

Figure 2. Metal content (Pb, Ni, Cr and Cd) in each sampled site over the years of the campaign
(2003–2011).
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Table 2. Metal content (mg/kg) values for each sampling site and each year, minimum (Min), maximum (Max), mean
(Mean) values and relative standard deviation of the mean (RSD %). Expanded uncertainty values (U), for 95% confidence
level, are shown in the last column.

Metal Site Year

2003 2004 2005 2006 2007 2008 2009 2010 2011 Min Max Mean RSD (%) U

Cd

CE 1 0.38 0.35 0.36 0.39 0.48 0.66 0.63 0.83 0.59 0.35 0.83 0.52 32 ±0.05
CE 2 0.19 0.28 0.30 0.47 0.58 0.64 0.68 0.72 0.46 0.19 0.72 0.48 40 ±0.07
UH 0.35 0.42 0.40 0.43 0.27 0.38 0.43 0.46 0.38 0.27 0.46 0.39 14 ±0.04
CC 0.45 0.47 0.66 1.04 0.68 0.70 0.71 1.04 0.71 0.45 1.04 0.72 29 ±0.07
RA 0.55 0.50 0.47 0.55 0.52 0.55 0.31 0.37 0.25 0.25 0.55 0.45 25 ±0.06
CP 0.20 0.27 0.25 0.27 0.23 0.24 0.17 0.24 0.11 0.11 0.27 0.22 24 ±0.04

Year average 0.35 0.38 0.41 0.53 0.46 0.53 0.49 0.61 0.42 0.35 0.61 0.46 18 ±0.14

Cr

CE 1 29.8 45.3 50.7 50.1 64.7 74.3 85.9 88.5 61.3 29.8 88.5 61.2 32 ±1.6
CE 2 13.3 23.8 28.6 30.4 35.7 40.4 41.5 43.1 37.7 13.3 43.1 32.7 30 ±0.9
UH 12.8 35.8 42.5 42.1 42.4 68.6 70.7 73.1 58.6 12.8 73.1 49.6 40 ±1.6
CC 26.3 31.0 34.4 35.6 47.8 47.0 46.6 48.6 36.9 26.3 48.6 39.4 21 ±0.9
RA 9.6 23.6 25.9 29.7 27.6 36.4 38.5 43.5 36.7 9.6 43.5 30.2 34 ±0.9
CP 33.3 34.4 38.2 35.8 48.4 45.4 65.2 79.9 77.9 33.3 79.9 50.9 37 ±1.8

Year average 20.9 32.3 36.7 37.3 44.4 52.0 58.1 62.8 51.5 20.9 62.8 44.0 31 ±3.3

Ni

CE 1 17.8 28.7 37.0 67.5 82.4 85.3 82.7 86.0 104.6 17.8 104.6 65.8 46 ±2.5
CE 2 11.4 19.6 20.2 23.7 47.8 45.9 87.7 114.9 78.5 11.4 114.9 50.0 72 ±2.3
UH 16.0 16.8 19.1 29.6 29.0 53.9 49.6 55.3 72.1 16.0 72.1 37.9 54 ±2.1
CC 18.2 28.2 43.7 46.7 102.0 114.3 115.4 120.4 70.0 18.2 120.4 73.2 55 ±2.3
RA 14.7 10.1 11.6 14.9 9.8 16.9 13.6 10.6 13.7 9.8 16.9 12.9 19 ±1.3
CP 42.8 43.2 36.3 44.9 35.4 35.4 41.5 42.8 35.5 35.4 44.9 39.8 10 ±1.2

Year average 20.2 24.4 28.0 37.9 51.1 58.6 65.1 71.7 62.4 20.2 71.7 46.6 42 ±4.9

Pb

CE 1 3.2 5.0 4.7 6.5 6.5 6.1 6.3 6.0 9.4 3.2 9.4 6.0 28 ±0.2
CE 2 2.3 5.2 5.9 6.2 5.9 7.1 7.2 7.1 12.2 2.3 12.2 6.6 39 ±0.2
UH 1.7 5.1 5.5 5.5 5.2 7.0 7.1 8.4 12.0 1.7 12.0 6.4 44 ±0.2
CC 4.8 5.6 5.5 6.5 6.3 7.8 8.3 8.4 9.1 4.8 9.1 6.9 22 ±0.2
RA 1.9 6.9 7.0 7.0 7.1 6.9 7.4 7.3 7.1 1.9 7.4 6.5 27 ±0.2
CP 0.6 1.9 1.7 2.6 2.3 2.5 2.6 3.4 1.3 0.6 3.4 2.1 40 ±0.1

Year average 2.4 4.9 5.1 5.7 5.5 6.2 6.5 6.8 8.5 2.4 8.5 5.7 29 ±0.4

Chromium levels exhibited, in all sampled sites, an overall increase between 2003 and
2010 and a slight decrease in the last year (2011). Nickel and lead showed a growing trend
of their content in the soils over the years except for the residential area and the city park.
In these two places the levels remained stable over time. For nickel, however, two sites
(CE2 and CC) presented a decrease in 2011.

The decrease in the levels of some metals in the last year of sampling may be directly
linked to the decrease in car traffic in the city of Lisbon. In fact, a serious economic crisis
began in 2010 in Portugal, which was reflected in the decline of economic activity and in
the increase in unemployment with less people moving around the city, either in private or
corporate vehicles, or in public transports.

Table 2 also shows the average annual contents for each metal in the city (values in
bold), obtained from the average values of each metal in all locations and for each year.

Figure 3 shows an increasing trend in the levels of the various metals in different
places over the years except for the last year of sampling and for Cr, Cd and Ni. The average
metal values observed over the years of this campaign are close to 0.46 mg/kg for Cd,
44 mg/kg for Cr, 46 mg/kg for Ni and 5.7 mg/kg for Pb. These values represent moderate
metal pollution in the soils of Lisbon as also revealed by the calculated environmental and
ecological risk indexes presented below. Other authors [38], present identical results to this
study observing low levels of these metals in the soils of Lisbon. The city soils can be used
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for agriculture, in particular for urban gardens, without significant risk of contamination
for the vegetables growing there.

 
Figure 3. Boxplot of the evolution of metal content in soils over the years of the study.

It is presented in Table 3 the mean, minimum and maximum values of the studied
metals content from several studies all around the world, which were used to compare
with the values obtained in the present work. Except for lead, the average values for each
metal shown in Table 2 are within the limits indicated for the crust. Pb has a higher value
in the soils of the studied cities, probably due to emissions from burning leaded gasoline
throughout many decades. The values of the metal levels in the soils reveal the reality
of each city in terms of anthropogenic emissions, namely the existence of manufacturing
facilities and the burning of fossil fuels, both from heating and car traffic. Moreover, the
baseline values of metals soil content at each site are important but not available in all or in
most cases. Additionally, it must be emphasized that the analytical techniques that allow
the determination of metal concentration levels in soils, GFAAS and ICP-MS (inductively
coupled plasma mass spectrometry) among others, were only developed and implemented
in the decades of 1970s and 1980s. At that time, soils already presented reasonable levels of
anthropogenic pollution due to many years of industrialization and low environmental
protection by state regulation.
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Table 3. Metal content (mg/kg) mean, minimum (min) and maximum (max) values from different places all around the world.

City, Country
Cd Cr Ni Pb

Reference
Mean (Min–Max) Mean (Min–Max) Mean (Min–Max) Mean (Min–Max)

Athens, Greece 0.4 (0.1–3.5) 163 (43–1586) 111 (27–727) 77 (3–2764) [39]
Aveiro, Portugal - 59 (15–83) 39 (13–57) 44 (17–64) [40]

Beijing, China 0.148 (0.01–
0.971) 35.6 (7.00–

228.2) 27.8 (2.80–168.9) 28.6 (5.00–
116.6) [41]

Berlin, Germany 0.68 (nd-20.3) 30 (nd-168) 10.1 (nd-44.5) 133 (nd-1490) [42]
Glasgow, U.K. - 17 (6–37) 16 (6–33) 24 (8–42) [40]
Huelva, Spain 0.81 (0.02–20.3) 31.7 (3–112.1) 16.1 (0.9–48.7) 135.2 (7.22–5469) [43]
Kavala, Greece 0.2 (nd-1.2) 232.4 (50–692) 67.9 (25–267) 387 (75–2500) [44]

Ljubljana, Slovenia - 41 (24–66) 39 (30–56) 40 (30–57) [40]
New York, EUA <0.4 (<0.4–3.1) 12.8 (3.2–366.1) 10 (<2.8–38) 102 (11–2455) [45]
Oslo, Norway 0.41 (0.06–3.10) 32.5 (2.85–224) 28.4 (2.23–232) 55.6 (<5–1000) [46]
Palermo, Italy 0.68 (0.27–1.86) 34 (12–100) 17.8 (7.0–38.6) 202 (57–682) [47]

São Paulo, Brazil 0.1 (0.04–0.22) 37 (15–90) 36 (11–67) 10 (4–23) [48]
Shanghai, China 0.52 (0.19–3.66) 107.9 (25.5–233) 31.14 (4.95–65-70) 70.69 (13.7–192) [49]

Stockholm, Sweden 0.16 (0.02–0.25) 35 (6–25) 16 (2.1–27.8) 19 (2.4–32) [50]
Torino, Italy - - 14 (2–25) 20 (4–35) 25 (8–44) [40]

Lisbon, Portugal - - 38 (1.0–172) 43 (2.0–209) 89 (4.8–561) [51]
Lisbon, Portugal 0.23 (0.01–1.28) 48 (6.8–201) 42 (4.3–194) 114 (4.7–305) [52]
Lisbon, Portugal - - 35.3 (12.2–121) 23.9 (8.0–95) 33.9 (1.0–110) [38]
Lisbon, Portugal 0.41 (0.11–1.04) 51.5 (9.61–88.5) 62.4 (9.77–120.4) 8.5 (0.55–12.2) This study

Average 0.396 (nd–20.3) 55.6 (nd–1586) 34.6 (nd–727) 84.1 (nd–5469)

3.3. Pollution and Ecological Indexes

In order to estimate the degree of soil pollution and the ecological and environmental
risk of Lisbon soils, the most important indexes to assess the level of pollution and eco-
logical risk were calculated: geo-accumulation (Igeo), contamination factor (Cf), degree
of contamination (Cd), pollution load index (PLI), ecological risk factor (Er) and global
ecological risk (RI). The authors had no knowledge or information concerning any past
published values for the levels of metals in Lisbon soils in unpolluted conditions.

In the absence of background values, one of the solutions often used is to consider the
estimated values for the earth’s crust as a background. The crust values are global values
that are intended to represent the average composition of the crust based not on global and
systematic measurements but on values resulting from the combination of several studies.
There is obviously an over-representation of countries and regions in which studies were
carried out, in comparison to less studied areas. In the specific case of Lisbon, the values
proposed for the crust are higher than some of the metal contents found. This shows that
the values of the crust cannot be used as reference values in this study. Table 4 presents
some values from literature taken as reference values for the concentration of metals in
soils and earth’s continental crust.

It should also be noted that the soils of Lisbon have a reasonable geological diver-
sity [62] including regions with volcanic soils, alluvion soils, medium Cretacic and from
Miocenic periods. The sampling sites CC, RA and UH are in a Miocenic formation (sand,
clay and limestone). The CP and CE1 are in an antique volcanic zone and the CE2 site is
located in a calcaric cambisols zone. However, the reasonable antiquity of Lisbon as a city
(more than twenty centuries) and therefore a recipient of anthropogenic pollution for many
centuries, as well as the frequent works that take place in cities involving soil movement,
prevent the unambiguous geological classification of the soils of each of the studied areas.
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Table 4. Typical metal content in earth’s continental crust and in soil (mg/kg).

Medium Reference
Metal

Cd Cr Ni Pb

Crust [53] 0.1–5 200–380 20–8 16–30
Crust

[54]
0.13 83.0 58.0 16.0

Soils 0.50 200.0 40.0 10.0
Urban Soils 0.90 80.0 33.0 54.5

Crust [55] 0.2 100 75 12.5
Crust [56] 0.2 100 75 13
Crust [57] 0.13–0.5 83–370 58–200 12.5–20
Crust [58] 0.102 35 18.6 17
Crust

[59]
0.02–6 125 2–500 10–50

Soils 0.01–2 40 17–50 2–30
Agriculture Soils [60] - 32 10 17

Crust
[61]

- 126–185 20 14–15
Soils 0.02–14 60 29 27

Earth’s Crust Range 0.01–6 35–380 8–500 2–50

To overcome the limitation of not knowing the background values and being unable
to use the crust values method above mentioned, an established statistical method was
used to estimate background values for metals in the various locations studied in the city
of Lisbon. On this subject, several authors [63,64] emphatically refer to the impossibility
of obtaining exact or even reasonably values for the background values of metals (and
other pollutants) in soils and other environmental compartments. Among the estimation
methods referred by Reimann [65], the iterative 2s-technique was chosen because it is the
method that best adapted to the available amount of data. This method is also referred
by the authors as the one that presents the most reasonable degree of approximation to
real values [66]. The obtained values are shown in Table 5 and were used to calculate the
pollution indexes and ecological indexes.

Table 5. Calculated background values (mg/kg) for each sampling site according to the iterative
2s-technique, proposed in [65].

Cd Cr Ni Pb

CE1 0.260 20.3 11.1 21.3
CE2 0.127 9.21 7.69 15.3
UH 0.240 8.94 10.9 11.4
CC 0.317 18.0 12.4 32.9
RA 0.360 6.57 10.1 12.6
CP 0.133 22.9 31.8 3.77

Results of Igeo calculated values are presented in Figure 4. Ni shows the highest
values followed by Cr and Pb. Ni exhibits moderate levels of contamination at all sites
except in residential area (RA) and the city park (CP), both classified as “uncontaminated”.
Higher values of Igeo for Ni were found in the soils next to the city entrance 2 (CE2). For
Pb and Cr the Igeo index have classifications between “uncontaminated” and “moderately
contaminated”. Regarding the values of Igeo for Cd, this metal reveals an “uncontaminated”
contamination class in UH, RA and CP and an “uncontaminated to moderately” class in
the city entrances (CE1, CE2) and at the city center (CC).
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Figure 4. Igeo values calculated for each metal (Pb, Ni, Cr and Cd) in each sampled site.

The values for the Contamination factor (Cf) are shown in Figure 5. Nickel presents a
“very high contamination” level in three sites, city entrances (CE1, CE2) and city center
(CC). The residential area (RA) and the city park (CP) present values in the “moderate
contamination” level but very close of the “low contamination” level. Pollution by Cr and
Pb also presents some places with a “very high contamination” level, namely in urban
highway (UH). It should be noted that contamination by these metals in the city park and
residential area is also reasonable. Cd has low values for this index with only one of the
city entrances (CE2) showing a “moderate contamination” level.
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Figure 5. Contamination factor (Cf) values for each metal, in each sampling site. Insert: values
of degree of contamination (Cd) and pollution load index (PLI) with the values obtained for each
sampling site and the global PLI calculated for the city of Lisbon.

A global view of pollution in the city of Lisbon can be given by the indexes that
include the contribution of different metals: degree of contamination (Cd) and pollution
load index (PLI). The Cd and PLI indexes are important because they considered all the
analyzed metals in the soil and not only an individual metal. The insert graphs in Figure 5
show the results for these two indexes. The values of Cd and PLI have a quite similar
profile for the various studied locals. These global indexes reveal a great accumulation
of metals in the city entrances (CE1 and CE2) and in the urban highway (UH) and a little
less in the city center (CC). The residential area (RA) and the city park (CP) were the less
polluted places. The PLI calculated for Lisbon, according to Equation (5), presented a value
of 1.6 which represents a “moderate pollution” value for the whole city.
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The obtained values for these different pollution indexes (Igeo, Cf, Cd and PLI) follow
the expected behavior, showing that the city entrances and the urban highway had the
highest pollution load, followed by the city center. On the other hand, the residential area
and the city park had lower pollution values.

The calculated values for the ecological risk factor (Er) and global potential ecological
risk (RI) are shown in Figure 6.
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Figure 6. Values of the ecological risk factor (Er) and the global potential ecological risk (RI).

The Er index presents higher values of risk for cadmium resulting from the greater
toxic response factor attributed to this metal. The values of Er for cadmium are higher for
the CE2 site with values classified as “considerable ecological risk”. For the remaining
locations, the ecological risk is moderate and is even considered as “low ecological risk”
for the RA and CP locations. For Ni and Pb, the values of Er vary between “low” and
“moderate ecological risk”. For Cr the values of this index are also classified as “low
ecological risk” but with globally lower values than Ni and Pb.

The RI values are shown in the insert graph of Figure 6. Moreover, for this risk factor
that takes into account the various metals, CE2 is the site with the highest risk but only
classified as “moderate ecological risk”. The entrance to the city (CE1), the urban highway
(UH) and the city center (CC) have a “low” but close to “moderate ecological risk”. The
city park (CP) and residential area (RA) locations have the lowest values of this ecological
risk index.

Recent work [67] shows the usefulness of the various indexes for the classification
of soil pollution. The use of indices makes possible to compare the soil pollution from
different locations based on their initial state. However, the authors stress the necessary
precaution in the use of soil pollution indexes. Other factors than the initial and final
metal contents are relevant, including the geological structure of the soil that affects pH, a
determining factor in the bioavailability of the elements.

Despite the fact that the present study was focused on these four dangerous metals,
there is for sure contamination by other metals in the soils of Lisbon. This contamination
certainly increases the pollution and composite ecological indexes, namely Cd, PLI and RI
as these indexes consider the contribution of different metals and reflect the accumulated
health risk of all metals in the soils. In fact, the metals considered are the most toxic and
those that must be monitored in the soil according to the European Directive [68], except
for mercury and arsenic.

3.4. Data Correlation and Principal Component Analysis

Significant correlations with p = 0.01 were obtained for the following pairs of metals:
(Ni, Cr), (Ni, Cd), (Ni, Pb) and (Pb, Cd). In other words, Ni is positively correlated with all
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other metals and in addition to that, only the correlation between Pb and Cd is verified.
The pairs (Cr, Pb) and (Cr, Cd) do not present a significant correlation.

For the principal component analysis (PCA), the levels of metals in the soil in each
location of the city and in each year were considered. It was intended to verify the existence
of a relationship between metals, that is, variations in soil metal concentrations that exhibit
similar behaviors, in time or in different places in the city. From the data, three main
principal components were extracted that explain 78% of the total variance of the results.
The first factor (PC1) is responsible for 58% of the variance, PC2 for 11% and PC3 for 8%.

Figure 7 shows the data obtained for PCA analysis, PC1 vs. PC2. The grouping of sites
with a high correlation in Cr, Ni and Pb concentrations is evident. These sites are located
at the entrances to the city, establishing a clear link between the levels of these metals in
the soil and vehicle traffic. In addition to those locations, the city center and the urban
highway are also part of this set. The third factor (PC3), a factor that explains only a small
variance of the global system, may explain the conjoint variation of Pb and Ni in the city
entrances and in the urban highway.

Figure 7. Principal component analysis plot of the soil samples (PC1 and PC2).

Authors such as Imperato et al. [69], Andersson et al. [70], Meza-Montenegro et al. [71],
Pant and Harrison [72] and Moaref et al. [73] stressed out that the origin of anthropogenic
pollution in cities without large industrial facilities (like Lisbon) is mainly due to car traffic.
The principal source of lead was, during the past, the leaded fuels. Nowadays lead is still
present in soils despite its drastic reduction due to the abolition of added lead gasoline.
The main sources of Cr and Ni are the vehicle braking system and tire wear. However,
these two elements also have a strong relationship with parent material. Several studies
have detected this trend [40]. So, for Cd and Ni there will be two source contributions, the
natural one due to the lithogenic contribution and the anthropogenic one, originated from
car traffic pollution.

4. Conclusions

In this work, levels of Cd, Cr, Ni and Pb in the soils of six sites with different vehicle
traffic characteristics were monitored in Lisbon for a period of about ten years. To our
knowledge, this is the longest soil monitoring program carried out in the city of Lisbon.
Time wise, in many of the other studies referenced in this work the monitoring periods for
soil contamination by toxic metals are typically only one to two years, making this study
one of the longest. For each location, 12 samples were collected each year, bringing up
72 samples per year and a total of 648 soil samples. When compared with values obtained
for other cities (Table 3), the data in the monitoring period revealed a reasonable low
concentration of metals studied. However, these low values of metals in soils are consistent
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in the nine years of this study. It should be noted that many of the values listed in Table 3
are single values, obtained generally in a given year and in the weather conditions observed
for that year.

The evolution of the levels of metals over the years and in the various places in the
city has typically grown, with the exception of the last year. In most locations, the year 2011
showed a decrease in the content of metals in soils. When looking at the average levels for
each year, involving all locations, a downward trend in this last year of the campaign is
spotted. In 2011 the economic crisis had important impacts on economic activity and this
impact was reflected in the circulation of fewer vehicles and, consequently, fewer emissions.
That results in a decrease of observed metals in the soil, showing the unequivocal main
origin of these pollutants: automotive traffic.

Looking at the levels of metals in each location in the city, the residential area and the
city park have the lowest levels of toxic metals in soils, as expected. Exception is noted for
Cr in which for those two places the levels are identical to the rest of the city. Still for the
same locations, the levels of Cd, Ni and Pb have been maintained or decreased over the
years. Cr grew each year, except in 2011. The determination of the pollution indexes (Igeo,
Cf, Cd, PLI) underlined this global conclusion with values indicating that the most serious
levels of contamination are connected to locations with great traffic density, namely the
city entrances, the city center and the urban highway.

Ecological indexes, Er and RI, also revealed a low or moderate ecological risk except
Cd in CE2. When considering the RI, in which the joint effect of the metals is considered,
moderate ecological risk values are also achieved in CE2. The remaining sites presented a
low or moderate level of ecological risk. This index also confirms that the lowest values of
potential ecological risk are found in the residential and city park areas.

The low values of metal contents found are also positive for the many urban agri-
culture projects that are being developed in Lisbon. The municipality has encouraged
this practice with the construction of several urban vegetable garden parks throughout
the city. This practice should be accompanied by periodic analyzes of soils and plants, as
metal levels, even when low, may be transferred from the soil to the plants. It will also
be important to follow the pH of the soils and their content in organic matter, which are
essential factors in the bioavailability of metals.

Considering that these metals may affect human health by the ingestion of contami-
nated food (among other forms), the results obtained in this work lead to the conclusion
that as the city of Lisbon presents low values of these metals in its soils, it also has a very
low potential to affect the health of its inhabitants, workers and visitors.
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Abstract: A challenging task in urban or suburban agriculture is the sustainability of soil health
when utilizing city wastewater, or its dilutes, for growing crops. A two-year field experiment was
conducted to evaluate the comparative vegetable transfer factors (VTF) for four effluent-irrigated
vegetable crops (brinjal, spinach, cauliflower, and lettuce) grown on six study sites (1 acre each),
equally divided into two soil textures (sandy loam and clay loam). Comparisons of the VTF factors
showed spinach was a significant and the best phytoextractant, having the highest heavy metal
values (Zn = 20.2, Cu = 12.3, Fe = 17.1, Mn = 30.3, Cd = 6.1, Cr = 7.6, Ni = 9.2, and Pb = 6.9), followed
by cauliflower and brinjal, while lettuce extracted the lowest heavy metal contents (VTF: lettuce:
Zn = 8.9, Cu = 4.2, Fe = 9.6, Mn = 6.6, Cd = 4.7, Cr = 2.9, Ni = 5.5, and Pb = 2.5) in response to the main
(site and vegetable) or interactive (site * vegetable) effects. We suggest that, while vegetables irrigated
with sewage water may extract toxic heavy metals and remediate soil, seriously hazardous/toxic
contents in the vegetables may be a significant source of soil and environmental pollution.

Keywords: phytoremediation; phytoextraction; heavy metal; wastewater; sewage water; pollution;
sustainability; spinach; cauliflower; lettuce

1. Introduction

A 1–3 ◦C increase in global warming is predicted by the 2050s [1]; the warming in the
South Asian region is expected to be higher (2.2–3.3 ◦C) [2,3], with surface warming as high
as 4.2 ◦C predicted to be in the northern regions of Pakistan [4] under the RCP8.5 emission
scenario. Subsequently, enhanced glacier melts [5,6], soil surface drying, and water table
lowering [7] are broadly expected, which may result in an acute shortage of surface- and/or
groundwater supply for irrigating crops. Therefore, Pakistan, whose economy is ~21%
agriculture driven, would be one of the regions most severely affected by climate change [6].
Some of these impacts are already being observed. That is why some of the suburban crops
are irrigated using dilutes of city wastewater [8,9]. Likewise, approximately 20 million
hectares of vegetable or cereal crops grown in a total of 50 countries are also being supplied
with substandard waters, including ~80% untreated or partially treated wastewater of
household or industrial nature [10,11] to cope with the issue of food security [12,13].
However, given the use of untreated wastewater for growing vegetables or cereal crops for
human or animal consumption, human and soil health are at risk.

Wastewaters potentially contain a large variety of pollutants [9], including, but not
limited to, unknown chemicals (organic, inorganic or biological nature) and/or salts, metals
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and metalloids, pathogens and hosts, residual drugs and pesticides, endocrine-disrupting
chemicals, or active ingredients of human care products. On one hand, these pollutants can
impair soil and environmental health [14]; on the other hand, they can be taken up by the
growing field crops resulting in buildups of toxic levels of heavy metals in the vegetable
biomass. The toxic crops (especially vegetables) when consumed by humans may put their
health at risk. Therefore, urban and farming communities’ environments and human and
animal health are at risk, which indirectly poses an even greater risk of global food security.

A heavy metal is defined as a chemical element of 500% higher specific gravity than
that of normal water [15]. Continuous use of heavy metals containing wastewater for
vegetable crop irrigation results in heavy metal accumulation in soil [16] and subsequent
transfer to vegetable plants above the safe limits [17,18]. The plant accumulation concen-
tration divided by soil accumulation concentration is called the vegetable transfer factor
(VTF) [19], which shows the vegetable accumulation rate concerning soil accumulation
concentration [20]. The soil–plant transfer of heavy metals is largely dependent on the
plant species and is evaluated using the soil–plant TF [21]. The transfer factor is further
controlled by several factors: plant age and species, crop variety, heavy metal concentration
and its physical and chemical properties, and duration of effect [22].

Cd toxicity, even at low levels, has been attributed to its bioaccumulation and long
half-life of ~30 years [8,23,24]. Cd also is known for its high mobility across the soil–water–
plant–environment continuum [25]. A few major toxic plant effects include, but are not
limited to, leaf chlorosis, stunted growth, and limited uptake of essential nutrients and
protein synthesis [24,26]. Cr toxicity also reduces crop yield via impaired leaf and root
hair growth, reduced enzymatic dynamics, and mutagenesis [27]. Toxic soil–water—plant
concentrations are reported to impair overall plant growth and reproduction [28]. Excessive
amounts of soil Zn together with soil Cu may decrease overall plant growth but increase
TF, and ingestion of these higher TF vegetables result in acute depression symptoms in
humans [29]. Excess levels of Cu alone in human blood showed acute stomachache and
subsequent liver damage in many patients [30].

While the accumulation of heavy metals by wastewater-irrigated crops has been
studied over several soil types, these investigations were made using one crop and one
soil type at a time. Thus, various crops have not been compared for their comparative
VTFs using the same or different soil types. Phytoremediation of the contaminated soils
irrigated with wastewaters is an environmentally friendly and green technique [31,32]
to remediate the soil–water–air continuum and quantify the translocation of these heavy
metals by calculating the VTF.

Thus, an evaluation of the comparative phytoextraction efficiencies of various crops
grown on the same and different soil types and irrigated with several wastewater types, or
comparison of the VTFs, remained largely unexplored in Pakistan. Therefore, our unique
study aims at identifying and assessing the potential sources of contamination to the
soil, water, or plant, and evaluating the comparative VTFs of various crops grown on the
same and different textured soils irrigated with a variety of wastewaters. The conclusions
of this study will be helpful to suggest the necessary mitigation measures and inform
policy development.

We hypothesize that the comparative VTF evaluation of various crops grown on the
same or different textured soils irrigated with a variety of wastewaters will differ. Therefore,
the present study was carried out to quantify the heavy metal (Zn, Cu, Mn, Fe, Cd, Cr, Ni,
and Pb) accumulation in four vegetables (spinach, brinjal, lettuce, and cauliflower) grown
on the same and different soil types irrigated with different wastewaters, and to evaluate
the suitability of the wastewater used for growing these vegetables.

The specific objectives of the present study are (1) to quantify the contents of heavy
metals in two different soil types and their irrigation wastewater samples, both collected
from six different study sites of the Multan suburban area; and (2) to monitor the com-
parative accumulation of heavy metals between the edible portions of the vegetables
grown on the same and different textured soils irrigated with wastewaters, by quantifying
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the vegetable transfer factor. The VTF will also be related to the soil concentrations of
heavy metals.

2. Materials and Methods

2.1. Study Sites

To determine the vegetable transfer factors (VTF) in the effluent-irrigated vegetable
crops, a total of six study sites were chosen in the vicinity of the WASA disposal stations
within the suburban area of Multan city. The sites had several open and covered drainage
channels that fed the vegetable crops. Each site was around one acre in size. We divided
the sites (6) into two major soil texture types: sandy loam (3) and clay loam (3). Each of
the texture types was irrigated with three types of water: normal, waste (sewage), and
normal + waste. The brinjal (Solanum melogena L.) and spinach (Spinacia oleacea L.) crops
were sown during January 2016 on a quarter of each site, randomly, while the cauliflower
(Brassica oleracea L.) and lettuce (Lactuca sativa L.) were also sown on the rest of the quarters
of each site during September 2015. Details of the study sites, their textural classes, the
irrigation water types, and the heavy metal concentrations of soil and irrigation waters are
shown in Table 1.

Table 1. Chemistry (EC and pH) and concentrations of the heavy metals in the study soils and their irrigation wastewaters,
sampled during 2015–2016 from six major vegetable production areas in the Multan region of Pakistan †.

Study Site Soil Texture/Water Chemistry Heavy Metal Concentration (mg kg−1)

Soil/Water
ECs/ECiw

(dSm−1)
pHs/pHiw Zn Cu Fe Mn Cd Cr Ni Pb

Khan village
Soil Sandy loam 1.4 8.3 1.80 0.94 6.80 2.90 0.66 1.10 0.42 1.40

Water Normal 0.3 7.2 0.03 0.04 0.03 0.06 0.02 - - 0.02
Vehari road

Soil Clay loam 1.5 8.4 1.66 1.28 9.64 3.68 1.40 1.62 0.46 1.74
Water Normal 0.3 7.1 0.04 0.03 0.09 0.02 0.02 0.02 - -

Shujabad road
Soil Sandy loam 3.1 8.4 2.48 1.70 12.60 3.38 4.30 2.60 1.04 2.66

Water Sewage 2.8 6.9 0.06 0.14 0.31 0.11 0.04 0.09 0.06 0.06
Industrial estate

Soil Clay loam 3.9 8.4 3.90 2.58 17.34 4.04 4.76 4.36 1.72 3.38
Water Sewage 3.6 6.8 0.10 0.11 0.34 0.19 0.06 0.08 0.09 0.11

Suraj miani
Soil Sandy loam 2.7 8.3 2.12 2.04 11.66 3.36 2.28 3.98 1.34 2.60

Water Normal + Sewage 2.0 7.1 0.05 0.04 0.18 0.16 0.04 0.02 0.05 0.08
Sameeja abad

Soil Clay loam 3.5 8.2 1.82 0.48 7.52 2.30 1.94 1.72 0.46 1.28
Water Normal + Sewage 2.1 7.1 0.40 0.08 0.07 0.14 0.07 0.40 0.07 0.05

UNESCAP * – 6.1 5.00 1.00 2.00 1.50 0.10 1.00 1.00 0.50
Pescod, MD ** – 2.00 0.20 5.00 0.20 0.01 0.01 0.20 5.00

† Each value is a mean of four sample months. * Permissible limits for liquid municipal and industrial effluents in Pakistan. ** Threshold
levels of trace elements in irrigation water. ECs and pHs, and ECiw and pHiw denote electrical conductivity and pH of the soil and irrigation
water, respectively. After four months, the study sites (soils) were significantly different in chemistry and heavy metal concentrations (ECs:
p = 0.001; pHs: p < 0.001; Zn: 0.036; Cu: p = 0.002; Fe: p < 0.001; Mn: p < 0.001; Cd: p = 0.006; Cr: p = 0.003; Ni: p = 0.005; Pb: p < 0.001). The
variable buildup of concentrations that was observed may be due to sewage water irrigation during the experimental period. All respective
irrigation waters were also significantly different except for Cr (ECs: p = 0.019; pHs: p < 0.001; Zn: 0.031; Cu: p = 0.005; Fe: p = 0.012;
Mn: p = 0.003; Cd: p = 0.004; Cr: p = 0.058; Ni: p = 0.002; Pb: p = 0.013).

2.2. Sampling and Analysis

A total of 4 composite surface soil (0–20 cm) samples were randomly collected monthly
from each of the six sites receiving wastewater regularly for irrigation, (4 samples * 6 sites
* 4 months = 96 samples). However, the soil samples from the brinjal and spinach crop
sites were collected during January–April 2015, compared to the cauliflower and lettuce
crop site soil samples collected during September–December 2016. The soil samples were
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air-dried, crushed and sieved to <2 mm, and stored at room temperature before analyses
of the physicochemical properties and heavy metal concentrations. Soil samples were
analyzed for textural class, saturation paste electrical conductivity (ECs), and saturation
paste pH (pHs) following methods described by the US Salinity Laboratory Staff following
Richards [33]. Textural class of only the first batch (month) of soil samples was analyzed.
To quantify the water-soluble soil Zn, Cu, Fe, Mn, Cd, Cr, Ni, and Pb concentrations, 10 g
of dry soil was extracted with 50 mL deionized water following Zia et al. [34].

Irrigation wastewater samples were also collected monthly during the soil sampling
campaigns. Four replicate polyethylene bottles (acid washed) of 500 mL each were filled
with wastewater one by one at an interval of 10 s from an open channel flowing to the
study site, for all sites. Each of the collected wastewater samples was acidified immediately
with 1 mL of concentrated HCl to avoid microbial degradation of the heavy metals. The
samples were placed in a cooler and transported to a soil- and water-testing laboratory
in Multan. Within a week, 50 mL of the sample was digested with 10 mL of concentrated
HNO3 at 80 ◦C until the solution turned clear [35]. The clear solution was then filtered
through a Whatman™ 42 filter, diluted back to 50 mL using distilled water, and stored
for analysis.

Edible parts of the harvested vegetables were thoroughly washed sequentially with
1% HCl and deionized water (to clean/remove any dust material), air-dried in shade for
24 h, and then oven-dried at 70 ◦C until a constant weight. The dried matter was ground to
a powder form and then sieved to <1 mm. One gram of the powder was digested with a
mixture of HNO3 and HClO4 in a 2:1 ratio, respectively. The clear digest was filtered and
diluted to 50 mL using deionized water and stored for analysis.

Plant total and soil and wastewater soluble Zn, Cu, Fe, Mn, Cd, Cr, Ni, and Pb
concentrations were measured from the stored extracts using an Atomic Absorption Spec-
trophotometer (Model AAS Vario 6, Analytik Jena AG, Jena, Germany).

Transfer factors of the vegetables were calculated by dividing the vegetable total heavy
metal concentration with the soil water-soluble heavy metal concentration [20], to interpret
comparative bioaccumulation of heavy metals by the experimental vegetables grown on
the same or different textures soils irrigated with various wastewater sources in Multan.

2.3. Statistical Analyses

All data analyses were performed using the SPSS 26.0 package (SPSS, Chicago, IL,
USA). A two-way (soil/water and vegetable) multivariate (Zn, Cu, Fe, Mn, Cd, Cr, Ni, and
Pb) ANOVA for quantifying the individual and interactive effects of the soil/water and
vegetable factors on the response variables of the Zn, Cu, Fe, Mn, Cd, Cr, Ni, and Pb con-
centrations in vegetables. Regressions and correlations were also performed where needed.
Data were not normally distributed; therefore, they were normalized to log10 values.
Differences were significant when p < 0.05.

3. Results

The ECs of the Industrial estate was the highest (3.9 dSm−1; Table 1) and was sig-
nificantly higher than those of the Khan Village (1.4 dSm−1) and Vehari road (1.5 dSm−1;
p = 0.001, p = 0.019, respectively) sites, in which the two sites had significantly lower
ECs than the Sameej abad site (3.5 dSm−1; p = 0.016). All other ECs comparisons did not
significantly differ. The pHs of the sites were not significantly different, except for the
Industrial estate pHs (8.4; Table 1), which was significantly higher than that of the Sameeja
abad site (8.2; p = 0.005).

The ECiw of Industrial estate was also the highest (3.6 dSm−1; Table 1) and was
significantly higher than those of the Khan Village (0.3 dSm−1) and Vehari road (0.3 dSm−1;
p = 0.001, p = 0.017, respectively) sites, in which the two sites had significantly lower ECiw
than the Shujabad site (2.8 dSm−1; p = 0.017). All other comparisons did not significantly
differ. The pHiw of the sites were not significantly different with the exceptions of the Khan
Village pHiw (7.2; Table 1), which was significantly higher than those of the Industrial
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estate (6.8; p = 0.001) and Shujabad (6.9; p = 0.017) where the Shujabad site had significantly
lower pHiw than that of the Soraj miani site (7.1; p = 0.017).

Overall, the study sites (soils) were significantly different in chemistry and heavy metal
concentration (Table 1; ECs: p = 0.001; pHs: p < 0.001; Zn: 0.036; Cu: p = 0.002; Fe: p < 0.001;
Mn: p < 0.001; Cd: p = 0.006; Cr: p = 0.003; Ni: p = 0.005; and Pb: p < 0.001). All re-
spective irrigation waters were also significantly different, except for Cr (ECs: p = 0.019;
pHs: p < 0.001; Zn: 0.031; Cu: p = 0.005; Fe: p = 0.012; Mn: p = 0.003; Cd: p = 0.004;
Cr: p = 0.058; Ni: p = 0.002; and Pb: p = 0.013). It is to be noted that Mn is not exactly
a heavy metal but toxic when absorbed or present in excessive amounts.

Soil heavy metal concentrations were significantly different (p < 0.05; Table 1) between
sites with the highest concentrations of all metals at the Industrial estate (Zn = 3.9, Cu = 2.6,
Fe = 17.3, Mn = 4.0, Cd = 4.8. Cr = 4.4, Ni = 1.7, and Pb = 3.4 mg kg−1), and the lowest at
the Khan Village site (Zn = 1.8, Cu = 0.9, Fe = 6.8, Mn = 2.9, Cd = 0.7, Cr = 1.1, Ni = 0.4, and
Pb = 1.4 mg kg−1). All other sites had a mix of higher or lower concentrations of the heavy
metals compared to each other.

There were significant (p < 0.05) main (site/water and vegetable) and interactive
(soil/water * vegetation) effects on phytoextraction of all metal concentrations. At the site
level, the Cu, Mn, Cd, and Ni phytoextraction values were significantly different, except
for the Cu and Cd values at Khan Village that did not differ from the corresponding values
at Shujabad road and Vehari road (both; p = 1.000, p = 0.073, respectively; Figures 1 and 2),
Cd concentrations at Sameeja abad did not differ from those at the Khan village and Vehari
road values (both p = 1.00, respectively Figures 3 and 4). The phytoextraction concentrations
of Mn, Cd, and Ni also significantly differed between all four vegetables; however, the
lettuce Zn concentration did not differ from that in brinjal (p = 1.00), the cauliflower Cu
value did not differ from that in spinach (0.189), and the lettuce and cauliflower values did
not differ from those in brinjal and spinach (both; p = 1.00; Figures 1 and 2)

There were significant (p < 0.05) main (site and vegetable) and interactive (soil *
vegetation) effects on vegetable transfer factor (VTF) for all metals, except no site/water *
vegetable interaction for the Cr VTF was found (p = 0.585; Tables 2 and 3). VTF comparisons
revealed that spinach was the best phytoextractant with the highest phytoextraction values
(spinach: Zn = 20.2 (±3.6), Cu = 12.3 (±8.3), Fe = 17.1 (±8.1), Mn = 30.3 (±16.5), Cd = 6.1
(±4.5), Cr = 7.6 (±5.7), Ni = 9.2 (±3.1), and Pb = 6.9 (±1.7)—Tables 2 and 3) followed
by cauliflower and brinjal, while lettuce had the lowest VTF values for phytoextraction
(lettuce: Zn = 20.2 (±4.3), Cu = 12.3 (±4.0), Fe = 17.1 (±2.0), Mn = 30.3 (±2.4), Cd = 6.1
(±4.7), Cr = 7.6 (±5.1), Ni = 9.2 (±2.6), and Pb = 6.9 (±1.3)—Tables 2 and 3) under main
(site and vegetable) or interactive (site * vegetable) effects. Values in brackets show the
standard deviation.

The soil metal concentration–VTF correlations were significant (p < 0.05; Figures 3 and 4)
for brinjal and lettuce for Zn; for brinjal and cauliflower for Cu; for brinjal only for Fe; all
for Mn and Ni; for spinach for Cd and Cr; and for brinjal, lettuce, and spinach for Pb
(Figures 3 and 4).
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Figure 1. Zn, Cu, Fe, and Mn concentrations (mg kg−1 dry weight) in brinjal (Solanum melogena)
and spinach (Spinacia oleacea) harvested in April 2016, and lettuce (Lactuca sativa L.) and cauliflower
(Brassica oleracea) harvested in December 2015 from the Khan Village, Vehari road, Shujabad road,
Industrial estate, Soraj miani, and Sameej abad study sites.
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Figure 2. Heavy metal (Cd, Cr, Ni, and Pb) concentrations (mg kg−1 dry weight) in brinjal (Solanum
melogena) and spinach (Spinacia oleacea) harvested in April 2016, and lettuce (Lactuca sativa L.) and
cauliflower (Brassica oleracea) harvested in December 2015 from the Khan village, Vehari road, Shu-
jabad road, Industrial estate, Suraj miani and Sameej abad study sites.
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Figure 3. Relationships between the transfer factors (TF) of the vegetables (brinjal, cauliflower, lettuce, and spinach) and
heavy metal (Zn, Cu, Fe, Mn, Cd, and Cr) concentrations (mg kg−1 dry weight) in the respective soils of the Khan Village,
Vehari road, Shujabad road, Industrial estate, Soraj miani, and Sameej abad study sites. A relationship is significant at
p < 0.05. Only significant relationships are retained to sustain the brevity of the manuscript.
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Figure 4. Relationships between the transfer factors (TF) of the vegetables (brinjal, cauliflower, lettuce, and spinach) and
heavy metal (Ni and Pb) concentrations (mg kg−1 dry weight) in the respective soils of the Khan Village, Vehari road,
Shujabad road, Industrial estate, Soraj miani, and Sameej abad study sites. A relationship is significant at p < 0.05. Only
significant relationships are retained to sustain the brevity of the manuscript.

Table 2. Mean (± SD) values (unitless) of the soil–plant transfer factors (vegetable leaf concentration/soil concentration) for
all heavy metals across the study sites *.

Site/Vegetable Zn Cu Fe Mn Cd Cr Ni Pb

Khan Village
Brinjal 8.6 ± 3.9 9.8 ± 0.6 13.3 ± 0.9 8.4 ± 0.5 7.8 ± 0.4 5.9 ± 5.8 6.0 ± 0.1 2.8 ± 0.2

Cauliflower 11.4 ± 1.7 11.8 ± 0.6 6.2 ± 0.9 8.2 ± 3.5 7.0 ± 5.3 9.5 ± 10.0 9.3 ± 0.5 9.2 ± 7.5
Lettuce 6.5 ± 3.8 3.2 ± 0.4 12.1 ± 0.3 7.2 ± 3.2 14.7 ± 0.4 9.0 ± 10.0 7.5 ± 1.0 4.6 ± 0.3
Spinach 19.0 ± 1.6 11.0 ± 0.1 11.7 ± 8.5 15.9 ± 1.0 15.1 ± 0.6 10.0 ± 8.8 15.0 ± 0.0 9.0 ± 0.1

Vehari road
Brinjal 11.2 ± 2.6 4.8 ± 0.7 8.1 ± 0.9 8.0 ± 0.0 3.3 ± 1.2 1.2 ± 0.5 8.0 ± 0.1 1.9 ± 0.2

Cauliflower 13.4 ± 4.6 10.5 ± 0.7 8.5 ± 0.6 11.5 ± 0.5 1.5 ± 0.6 4.6 ± 1.3 5.9 ± 0.7 3.6 ± 0.5
Lettuce 12.9 ± 6.8 3.1 ± 0.4 10.6 ± 0.5 3.7 ± 0.5 4.7 ± 0.5 0.9 ± 0.0 4.8 ± 0.5 2.1 ± 0.2
Spinach 19.2 ± 2.2 12.0 ± 0.1 14.6 ± 0.5 13.1 ± 0.1 7.9 ± 0.0 2.6 ± 0.5 7.1 ± 0.3 5.0 ± 0.2

Shujabad road
Brinjal 7.1 ± 1.4 5.0 ± 0.2 7.7 ± 0.5 12.0 ± 4.2 0.9 ± 0.0 2.2 ± 1.3 6.7 ± 0.5 0.9 ± 0.1

Cauliflower 19.0 ± 0.8 8.6 ± 0.8 4.8 ± 1.7 6.1 ± 0.9 0.9 ± 0.1 7.0 ± 4.8 6.0 ± 0.1 3.3 ± 3.1
Lettuce 6.4 ± 1.2 1.5 ± 0.6 7.5 ± 0.5 7.1 ± 3.2 1.9 ± 0.2 1.5 ± 1.0 4.0 ± 0.1 1.3 ± 0.5
Spinach 20.1 ± 5.5 6.3 ± 0.5 14.7 ± 6.9 21.5 ± 3.7 3.3 ± 0.5 9.9 ± 5.8 8.0 ± 0.1 4.6 ± 0.5

Industrial estate
Brinjal 9.0 ± 0.1 4.5 ± 1.7 8.6 ± 0.5 13.3 ± 1.4 1.8 ± 0.3 1.0 ± 0.1 4.6 ± 0.5 2.6 ± 1.0

Cauliflower 14.4 ± 0.5 6.5 ± 1.0 11.3 ± 3.3 22.3 ± 2.5 1.1 ± 0.3 2.4 ± 1.0 8.8 ± 0.2 4.9 ± 2.1
Lettuce 6.1 ± 0.4 3.0 ± 2.1 7.6 ± 0.5 8.21 ± 0.5 2.3 ± 0.5 0.9 ± 0.1 4.6 ± 0.5 2.7 ± 1.5
Spinach 23.2 ± 5.2 6.0 ± 0.2 16.7 ± 1.5 39.2 ± 1.4 2.9 ± 0.2 9.9 ± 5.8 10.9 ± 0.0 8.1 ± 0.6

Soraj miani
Brinjal 13.3 ± 0.5 3.2 ± 1.0 11.1 ± 1.6 13.0 ± 0.7 1.6 ± 0.5 0.9 ± 0.1 3.1 ± 0.2 1.3 ± 0.5

Cauliflower 10.0 ± 0.1 5.8 ± 0.6 8.3 ± 0.9 14.9 ± 0.8 1.3 ± 0.5 2.5 ± 0.5 4.5 ± 0.7 12.2 ± 1.4
Lettuce 11.8 ± 4.0 1.8 ± 0.6 8.7 ± 1.0 5.1 ± 0.6 2.0 ± 0.0 3.5 ± 5.7 2.2 ± 0.5 2.3 ± 0.8
Spinach 17.8 ± 0.6 8.6 ± 0.8 13.8 ± 5.9 32.1 ± 0.6 2.7 ± 0.5 6.3 ± 4.4 8.0 ± 0.2 7.3 ± 0.5

Sameeja abad
Brinjal 7.5 ± 1.8 18.7 ± 1.5 17.2 ± 3.8 10.7 ± 0.9 3.0 ± 0.1 2.0 ± 0.1 13.6 ± 0.5 3.1 ± 0.5

Cauliflower 17.1 ± 1.1 19.3 ± 0.9 10.5 ± 5.3 31.8 ± 2.1 1.9 ± 0.0 3.9 ± 0.1 11.2 ± 1.0 15.1 ± 0.6
Lettuce 9.8 ± 1.6 12.5 ± 1.7 11.0 ± 2.0 8.5 ± 0.6 2.3 ± 0.5 1.8 ± 0.2 9.7 ± 0.5 2.2 ± 0.5
Spinach 21.8 ± 2.5 29.7 ± 0.5 30.7 ± 4.9 60.1 ± 0.2 4.5 ± 0.5 6.5 ± 5.0 5.9 ± 0.1 7.2 ± 0.5

* Sites comparison: soil–plant transfer of Fe was significantly higher at the industrial estate site than that at the Khan Village site (F5, 24 = 2.51,
p = 0.048, R2 = 0.41). The Ni transfer factor at the Industrial site was significantly higher than all sites except the Shujabad road site
(F5, 24 = 5.51, p = 0.003, R2 = 0.61).
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Table 3. Results of a two-way MANOVA of the soil–vegetable heavy metal transfer factor for six
study sites in Multan, Pakistan.

Source df Zn Cu Fe Mn Cd Cr Ni Pb

Site
F 5, 96 2.69 93.99 6.13 66.17 168.86 3.07 243.52 20.86
p 5, 96 0.03 0.00 0.00 0.00 0.00 0.01 0.00 0.00

Vegetable
F 5, 96 52.50 131.85 13.59 257.04 108.95 17.64 213.05 90.90
p 5, 96 0.00 0.00 0.00 0.00 0.00 0.00 0.00 0.00

Site × Vegetable
F 5, 96 3.31 4.20 2.59 13.13 4.30 0.88 68.92 4.55
p 5, 96 0.00 0.00 0.00 0.00 0.00 0.59 0.00 0.00

R2 5, 96 0.75 0.93 0.61 0.95 0.95 0.53 0.98 0.86

Bold values are significant at the =0.05 level. R2 shows the relationship between the soil and plant heavy
metal concentrations.

4. Discussion

In this study, the phytoextractions of soil Zn, Cu, Fe, Mn, Cd, Cr, Ni, and Pb heavy
metals by the four vegetables (brinjal, cauliflower, lettuce, and spinach), grown on six sites
equally divided into sandy loam and clay loam soils, and where each soil was irrigated
with three types of water—normal, sewage, and normal + sewage—were measured. Since
comparing the phytoextraction values of the vegetables grown on different textured soils
irrigated with different types of waters would not be satisfying, we additionally compared
the vegetable transfer factor (VTF; Cui et al. [20]), which is equal to the heavy metal
concentration in the vegetable divided by the heavy metal concentration in the soil. The
VTF minimizes biases in comparative phytoextraction values owing to differences in heavy
metal concentrations among the soil textures as well as the irrigation waters used in
the study.

4.1. Effect of Site/Water on Phytoextraction of Heavy Metals

In this study, heavy metal phytoextraction of all heavy metals was the highest at the
Industrial estate study site, which had a clay loam texture and was being irrigated with
the sewage water. The overall phytoextractions of heavy metals by the four vegetables at
this site were significantly higher than those at the Khan Village and Sameej abad sites,
which had sandy loam and clay loam textures, respectively, and were being irrigated with
normal water. Moreover, Shujabad road site (sandy loam) vegetables had also clearly
higher phytoextractions than those of the crops at the sites being irrigated with normal
water. These results are in line with that of Yargholi [36], who also reported significant
increases in heavy metal concentrations in soil (or VTF) in response to irrigation with
sewage water of high heavy metal concentrations. The toxic concentration of the heavy
metals or other micro/nutrients in the irrigation water has frequently been reported, for
example, [37,38] to directly concentrate in the plant roots/shoots/leaves, which food may
put the health and life of animals and humans in jeopardy.

The highest phytoextraction by the industrial site vegetables was likely due to the
greatest soil concentrations of the respective heavy metals owing to continuous use of
sewage water at this heavy soil texture site. It also reveals that the soil particle exchange
sites of this heavy texture site tend to be fully occupied and are transferring the surplus
to the crops, resulting in high VTF factors. A similar phenomenon is also shown by the
Shujabad road site; however, the extent of the transfer of heavy metals to the vegetables was
much lower due to the light texture nature of the soil, which may, for example, accumulate
or supply lesser heavy metals to the plant parts [39].

Overall phytoextraction of heavy metals by vegetable crops showed that spinach had
the highest phytoextraction of all the heavy metals followed by cauliflower and lettuce,
while brinjal had the lowest phytoextraction of heavy metals, as was also found by Sharma
et al. [17,18]. The phyto uptake capability of the spinach crop we found is comparable to
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the findings of Ng et al. [40]. The highest heavy metal phytoextraction of spinach could be
attributed to its leafy structure, short stature and growth cycle, and the fastest metabolism,
which can uptake toxic compounds or heavy metals in toxic quantities and transform or
mineralize them to simpler compounds, which can be assimilated or accumulated for the
long term. There was a site * vegetable interaction for spinach at the Industrial estate
site, which has a heavy soil texture irrigated with sewage water, again supporting our
findings on the individual effects of site and vegetable on the phytoextraction of the heavy
metals, and also support the findings of Zia et al. [34], except they used phytoextraction
enhancing chemicals.

4.2. Effect of Site/Water on Vegetable Transfer Factor

In contrast to the phytoextraction values, the VTF values were found to be the highest
at the Sameeja abad site of heavy texture and irrigated with a mix of normal and sewage
waters (the exact ratio of the mix is not reported since it kept changing). It was found
that the crops had visually much higher coverages and biomasses than those at the other
experimental sites. Vegetation may attain maximum coverage and biomass when supplied
with exponentially dissolved organic carbon and salts or ions in soils [41]. Therefore, a
higher VTF at this site could be attributed to greater uptake of heavy metals (relative to
its soil concentrations) along with essential nutrients in contrast to the Industrial estate,
which had greater concentrations of heavy metals in both the soil and vegetable crop and
the VTF was low due to the much higher soil heavy metal concentrations than those at the
Sameeja abad site. The findings of Cui et al. [20] corroborate our explanation of the higher
VTFs of vegetables due to lower soil heavy metal concentrations.

Interestingly, spinach had overall the highest VTF values of all the heavy metals,
similar to its corresponding phytoextraction values. Additionally, the VTF values of
cauliflower, lettuce, and brinjal were also in the order similar to those of the phytoextraction
values of these vegetables. These findings complement our results on the phytoextraction
capacities of the four vegetable crops used in this study.

5. Conclusions

Vegetables, one of the most important foods for humans, are also efficient phytoex-
tractants of heavy metals in soils. When grown on heavy or light-textured soils irrigated
with sewage water, vegetable crops phytoextracted the heavy metals to highly toxic levels.
Spinach was the most efficient phytoextractant followed by cauliflower and lettuce, while
brinjal was the least efficient of all. We suggest that soils, when irrigated with sewage water
having excessive concentrations of the studied heavy metals, may transfer these metals in
toxic amounts to vegetable crop plants.
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Abstract: Public recreation areas in cities may be constructed on land which has been contaminated
by various processes over the history of urbanisation. Charles Veryard and Smith’s Lake Reserves
are adjacent parklands in Perth, Western Australia with a history of horticulture, waste disposal and
other potential sources of contamination. Surface soil and soil profiles in the Reserves were sampled
systematically and analysed for multiple major and trace elements. Spatial analysis was performed
using interpolation and Local Moran’s I to define geochemical zones which were confirmed by means
comparison and principal components analyses. The degree of contamination of surface soil in the
Reserves with As, Cr, Cu, Ni, Pb, and Zn was low. Greater concentrations of As, Cu, Pb, and Zn were
present at depth in some soil profiles, probably related to historical waste disposal in the Reserves.
The results show distinct advantages to using spatial statistics at the site investigation scale, and for
measuring multiple elements not just potential contaminants.

Keywords: urban soil; parkland; contaminants; trace elements; metals; spatial autocorrelation;
arsenic; chromium; copper; nickel; lead; zinc

1. Introduction

A number of studies have documented the potential for contaminant additions to
soils from a range of urban activities. Horticultural activities are known to leave a legacy
of soil contamination related to use of fertilisers, manures, and other materials [1–3]. The
disposal of metalliferous and other wastes is known to cause soil contamination with
trace elements [4]. Excavation of peaty and/or sulfidic subsoils is known to result in
contamination of soils with acidity and metals [5,6]. Public facilities such as vehicle and
storage depots and electrical substations are also potential contaminant sources known
to have caused soil pollution [7,8]. Finally, building construction is a likely source of soil,
sediment, and water contamination [9].

Smith’s Lake and Charles Veryard Reserves are public recreation spaces in metropoli-
tan Perth, Western Australia (WGS84 115.8505◦ E, 31.9319◦ S), with a complex history of
land use change that is typical of many urban areas worldwide [10].

Spatial statistical techniques represent useful tools for identifying and describing
soil contamination. For example, the use of variogram and/or spatial autocorrelation
analysis can be used to quantify the degree of spatial dependence between contaminant
concentrations in soil samples [11]. In addition, use of local spatial autocorrelation statistics
such as Local Moran’s I can be used to categorize locations, or clusters of locations, using
the statistical significance and the magnitude of the response variable, such as in Local In-
dicators of Spatial Association (LISA) analysis [12]. Use of these techniques to study urban
soil contamination has been limited so far to citywide spatial scales (tens of kilometers),
covering multiple current land uses [11,13,14]. On whole-city scales, clusters of positively
autocorrelated samples with higher concentrations are interpreted to represent “regional
hotspots” of contamination. Conversely, isolated samples of higher concentration showing
negative autocorrelation with surrounding low-concentration samples (“high-low” points
in the LISA framework) are interpreted as being “isolated hotspots”, potentially caused

Soil Syst. 2021, 5, 46. https://doi.org/10.3390/soilsystems5030046 https://www.mdpi.com/journal/soilsystems59



Soil Syst. 2021, 5, 46

by point sources [14]. Very few published studies have used autocorrelation statistics to
analyse spatial patterns of soil contamination at scales of a few hundred metres, with a
single or restricted range of land use, which are typical of environmental site investigations
where contamination is suspected. At smaller spatial scales, a reasonable hypothesis is
that clusters of positively autocorrelated, high concentration points (“high-high” points in
LISA) are more likely to represent point source contamination, whereas isolated “high-low”
points will have less significance.

This study therefore had multiple objectives. The potential contaminants of primary
interest were the trace elements As, Cr, Cu, Ni, Pb, and Zn, due to their known effects on
human health and ecosystem functioning. This set of elements is relevant to urban soil
contamination in many cities globally, and also represents a range of geochemical behaviour
with As and Cr often existing as oxyanions in soils in contrast to the cationic metals Cu,
Ni, Pb, and Zn. In addition, a range of mobilities would be expected, with Cr and Pb
commonly showing low mobility in soils in contrast with Zn and As which are usually
more mobile. The major elements Al, Ca, and Fe, and soil pH and EC, were of interest to
support and explain the trace element data. The scientific objectives, therefore, were first:
to characterize the concentrations and spatial distributions of potential contaminants in
soil in the Smith’s Lake and Charles Veryard Reserve area. The second objective was to
identify any spatial patterns in the data over scales of a few hundred metres, and match
these to the known history of the sites. The final aim was to evaluate the findings from
spatial analysis of surface sampling as indicators of subsoil contamination. The research
approach evaluates the utility of spatial analysis to provide more quantitative evidence of
zones of contamination in urban soils and should therefore be applicable to other urban
soil environments at similar spatial scales.

2. Materials and Methods

2.1. Study Site

Smith’s Lake and Charles Veryard Reserves are situated in the historical location
of Three Island Lake and associated water bodies, on land that was drained from the
1870s to allow the establishment of horticulture. The area has experienced multiple
land uses, including market gardening (1920s–1950s), dumping of rubbish, and recre-
ation/parkland [15]. The Claise Brook Main Drain was changed from an open drain to an
underground stormwater pipe in the mid-1970s, and the present Smith’s Lake was also
constructed as a stormwater-compensating basin at this time. The 1970s were also a time of
substantial residential development in this area. The 2000s saw urban gentrification and
infill occurring in the area; a local government depot to the east of Smith’s Lake Reserve
was redeveloped to residential land in 2000–2002. A large sports centre building in the
south of Smith’s Lake Reserve was demolished and rehabilitated to parkland in 2008, with
conversion of some larger residential lots to allow construction of higher density housing
also occurring around 2008.

While the land around Smith’s Lake Reserve is currently residential, several previous
facilities and activities adjacent to the current reserve had the potential to modify fluxes of
a range of contaminants. These include the land uses described above, and: the burial of
the Claise Brook Main Drain, the Council Works Depot and its subsequent redevelopment,
the demolition and rehabilitation of the sports centre, and the electrical supply substation
constructed in the 1960s (and upgraded in 2001) adjacent to the north-west corner of the
reserve. Smith’s Lake itself was rehabilitated by a community group in 1999 [16], with
construction of a path approximating the line of the underground main drain in 2010–2011.
Floodlight pylons were installed in Charles Veryard Reserve in 2016, involving excavation
of potential acid sulfate soil material (based on maps from [17]).

2.2. Sampling

Sampling of soil at Smith’s Lake and Charles Veryard Reserves was conducted on two
occasions: in March 2017 (a grid of surface samples) and March 2018 (profile sampling
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at selected locations). In 2017, surface soil sampling locations were pre-selected prior to
sampling using a randomised-within-grid sampling strategy (Figure 1) using a 52 × 52 m
grid to maximise site coverage, and two samples per grid square, with the objective
of sampling the grassed areas within the Reserves without statistical bias. In the field,
preselected sample locations were located using handheld GPS. If randomised sample
coordinates were too close to paved surfaces, water, structures, etc., the location was moved
by approximately 5 m and the revised coordinates were recorded. For subsequent analysis,
the sampling area was divided into zones based on exploratory data analyses (Figure 2).

Figure 1. Street map showing soil sampling locations, and the initial grid used for sampling design,
at Smith’s Lake and Charles Veryard Reserves. Contours are land elevations in metres; the pale red
polygon shows moderate to high acid sulfate soil (ASS) risk.

61



Soil Syst. 2021, 5, 46

Charles Veryard
Reserve

Smiths
  Lake

Electrical
Supply

Substation

Figure 2. Simplified map showing sampling zones at Smith’s Lake and Charles Veryard Reserves.
CVR is Charles Veryard Reserve; SLR is Smiths Lake Reserve.

Surface soil was sampled in cylindrical cores from 0–10 cm depth using a stainless
steel corer. Triplicate cores at each location were bulked to achieve a sample mass of ca.
500 g, and stored in zip-lock plastic bags prior to transport back to the laboratory. Soil
sample cavities were re-filled with clean soil supplied by the sampling team.

In 2018, a second sampling of soil profiles to up to 100 cm depth was conducted using
Garret-style augers. Separate samples were collected for each of eight profiles (Figure 1) in
10 cm depth increments.

Soil samples were air-dried in a laminar air-flow drying cabinet at 40 ◦C and sieved
through a 2 mm aperture prior to analysis.

2.3. Chemical Analysis

The electrical conductivity (EC; proportional to soluble salt content) of soil samples
was determined on 1:5 solid: Deionised water suspensions using a calibrated conductivity
cell electrode. The pH was measured on the same suspensions using a glass-reference pH
electrode after a 2-point buffer calibration [18].

The near-total concentrations of 26 elements (Al, As, Ba, Ca, Cd, Ce, Cr, Cu, Fe, Gd, K,
La, Mg, Mn, Mo, Na, Nd, Ni, P, Pb, S, Sr, Th, V, Y, and Zn) were measured on samples by
inductively-coupled plasma optical emission spectrometry (ICP-OES) following digestion
of soil in concentrated nitric and hydrochloric acids (i.e., aqua regia) at ca. 130 ◦C [19]. Aqua
regia digestion is commonly used to determine environmentally significant concentrations,
since it largely excludes elements within the matrices of silicates and other recalcitrant
minerals. Before acid digestion, samples were ground to �50 μm using ceramic mortars
and pestles. Reagent blanks, and grinding blanks composed of acid-washed silica sand,
were included in analytical runs to check for contamination. The standard reference stream
sediment material STSD-2 [20] was analysed identically to samples to assess analytical
accuracy. Measurement precision was assessed using analytical duplicates on ca. 10%
of samples.
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The lower limits of analytical detection were calculated, where possible, from 3× the
standard deviation of multiple reagent blank concentrations [21]. Concentrations lower
than mean blank values, or below calculated lower detection limits, or both, were deleted
from the dataset.

2.4. Statistical and Numerical Analysis

Data management and transformation of variables was conducted using Excel® (Ver-
sion 2016, Microsoft, Redmond, WA, USA) Statistical and graphical analyses of data
were performed in the statistical computing environment ‘R’ [22] and associated pack-
ages. Skewed variables (identified with the Shapiro-Wilk test for normality) were log10-
transformed, or power-transformed based on the Box-Cox algorithm and re-checked
for normality.

A general inability of variables to be transformed to yield normal distributions dictated
the use of the non-parametric Spearman correlations, and Wilcoxon or Kruskal-Wallis tests
for mean comparisons. If Kruskal-Wallis tests showed a significant difference, the R package
‘PMCMR’ [23] was used to apply the post-hoc Conover’s test for pairwise comparisons
of mean rank sums. Simple regression models were fitted using the log10-transformed
variables. The potentially misleading effects of compositional closure were addressed
using transformations to centred log-ratios [24], which were used for principal components
analyses. Principal components analyses were conducted using only variables having
minimal or no missing observations.

Distribution maps were constructed using the ‘OpenStreetMap’ package [25] with
elevation contours interpolated from a dense grid of land elevations from Google [26]
generated using the R package ‘googleway’ [27] and interpolated using the R package
‘akima’ [28]. Spatial autocorrelations were assessed using global and local Moran’s I
statistics, calculated using the R package ‘lctools’ [29]. Local Moran’s I values showing
significant association (p ≤ 0.05) were categorised using high-low notation, based on the
point measurement relative to the median and the sign of the Local Moran’s I statistic.
Spatial interpolations were achieved using an inverse distance weighting method using
the R packages ‘sp’ [30] and ‘gstat’ [31]. Preliminary analysis showed that inverse-distance
interpolation gave similar results to simple kriging, but kriging interpolation was not
used, based on the requirement of ≥100 observations to generate a reliable experimental
variogram [32].

A composite estimate of soil contamination was calculated from the concentrations of
As, Cu, Pb, and Zn as the Integrated Pollution Index, IPI [33], shown in Equation (1):

IPI =

(
n

∑
i=1

(
Ci
Si

))
/n, (1)

In Equation (1), ∑ means the sum of terms 1 to n, Ci = the measured concentration of
th i-th element, Si = the background concentration of the i-th element, n = the number of
elements. The Si values used (in mg/kg: As = 1.5, Cr = 10, Cu = 2, Pb = 5, Zn = 6) were
published ambient background concentrations for the Perth region [34], but this report
suggests a zero-background concentration for Ni. In this study 1 mg Ni/kg was used for
background, which is the lowest (most conservative) 25th percentile concentration among
similar datasets (e.g., [35]).

3. Results

3.1. Bulk Chemical Analyses of Surface Soil

Substantial variability in the concentrations of major elements and basic soil proper-
ties (Table 1), including potential trace element contaminants (Table 2), was observed in
surface soils at Smith’s Lake and Charles Veryard Reserves. In most cases, the maximum
concentrations were at least five times the minima. Much greater variability was observed
for calcium (Ca, maximum/minimum ≈ 108); cadmium (Cd), copper (Cu), magnesium
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(Mg), manganese (Mn), neodymium (Nd), nickel (Ni), phosphorus (P), lead (Pb), sulfur
(S), strontium (Sr), and zinc (Zn) all had maximum/minimum ratios between 20 and 90.
Soluble salt content measured by EC showed a maximum/minimum ratio of ≈29, and
there was a relatively large, ≈3.4 units range in pH across the Reserves. Except for zinc,
which exceeded the interim Ecological Investigation Level (EIL; National Environment
Protection Council, 1999) in three samples, no other soil thresholds were exceeded by any
element (Table 2).

Table 1. Summary of pH, EC, and major element concentrations in surface (0–10 cm) soil and in
vertical soil profile samples at Smith’s Lake and Charles Veryard Reserves. EC and pH were measured
in 1:5 solid: deionised water suspensions; element concentrations were measured using aqua regia
digestion followed by ICP-OES.

Statistic pH
EC Major Element Concentration (mg/kg)

(μS/cm) Al Ca Fe K Mg Na P S

Surface soil (random-in-grid samples, 2017)
Mean 6.92 183 2667 5083 2695 161 425 130 244 309
Std. Dev. 0.63 146 758 7082 939 75.3 285 69 123 186
Minimum 5.28 29.1 396 283 1205 41.1 57.3 27.8 18.5 43
Median 6.84 151 2637 1813 2530 150 347 118 221 280
Maximum 8.63 835 4722 30,472 5640 424 1471 410 596 1293
No of valid analyses 73 58 68 68 68 68 68 68 68 68

Soil profiles to ≤ 100 cm (2018)
Mean 7.67 116 3214 11,061 4430 173 548 148 146 518
Std. Dev. 1.96 61 2168 14,254 3358 100 505 100 137 334
Minimum 4.48 7.92 149 38 218 26 14 11 4 48
Median 7.98 83 2880 7894 3593 134 450 127 140 293
Maximum 9.40 860 10,353 57,265 22,180 655 2365 513 386 4929
No of valid analyses 84 83 85 85 85 85 85 85 85 83

Table 2. Summary of minor/trace element concentrations in surface (0–10 cm) soil and in vertical
soil profile samples at Smith’s Lake and Charles Veryard Reserves. Element concentrations were
measured using aqua regia digestion followed by ICP-OES.

Concentrations (mg/kg)

Statistic As Ba Cd Cr Cu Mn Mo Ni Pb Sr V Zn

Surface soil (random-in-grid samples, 2017)
Mean 2.58 15.7 0.11 7.33 8.69 39.5 0.23 2.58 25.7 27.8 5.38 55.2
Std. Dev. 1.09 7.38 0.1 2.29 11 23.7 0.1 2.83 31.7 40.3 1.66 56.5
Minimum 0.9 6.2 0.02 1.17 2.13 2.68 0.07 0.25 3.23 2.4 1.28 5.59
Median 2.3 14.5 0.08 7.32 5.25 34.5 0.22 2.13 14.7 10.3 5.35 34.7
Maximum 5.86 41.7 0.66 13.8 67.5 127 0.6 21.3 174 186 10.6 304
No of analyses 68 68 62 68 68 68 68 68 68 68 68 68
No > HIL(C) 1 0 - 0 0 0 0 - 0 0 - - 0
No > EIL 3 0 0 0 0 0 0 - 0 0 - 0 3

Soil profiles to ≤ 100 cm (2018)
Mean 3.28 25.2 0.18 9.09 41.4 28.0 0.48 5.39 72.7 62.3 8.38 117
Std. Dev. 2.79 26.2 0.31 6.96 66.6 21.7 0.81 20.7 98.8 85.1 5.56 191
Minimum 0.6 1.9 0.01 0.2 2.8 1.5 0.06 0.6 3.5 1.8 0.3 3.3
Median 2.5 15.3 0.06 8.1 15.1 24.3 0.21 1.97 32.2 34.3 7.2 43.2
Maximum 14.6 139 1.6 34.4 356 97.9 5.63 181 568 391 30.4 1155
No of analyses 83 85 79 85 67 85 78 75 84 80 85 84
No > HIL(C) 1 0 - 0 0 0 0 - 0 0 - - 0
No > EIL 3 0 0 0 0 8 0 - 1 1 0 0 14

1 Health Investigation Level C (Recreational) [36]; 3 Ecological Investigation Level (interim urban) [37].

3.2. Spatial Distributions in Surface Soil

The measurements of primary interest (pH, EC, Al, As, Ca, Cu, Fe, Pb, Zn) generally
showed significant overall spatial patterns across the study area, shown by p values ≤ 0.05
for Global Moran’s I. The exceptions were Al, Ca, Cr, and Ni for which the Global Moran’s
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I values were close to zero (Table 3). The spatial patterns and clusters of points with
significant local autocorrelation are shown in Figures 3–6, and summarised in Table 3.

Table 3. Global Moran’s I, p-values simulated by Monte-Carlo randomization, and information on
local spatial autocorrelation for the variables of principal interest in surface soil at Smith’s Lake and
Charles Veryard Reserves. Variables except pH were log10-transformed before calculation. IPI is
integrated pollution index (Equation (1)).

Variable Moran’s I p-Value
Number of Points with

Significant Local
Moran’s I

Location (and Number of Points)
of High-High LOCAL Moran’s I

Clusters a

pH 0.440 >0.001 13 CVR-SW (2), CVR-SE (3), SLR-S (4)
EC 0.157 0.035 7 SLR-S (3)
Al 0.014 0.691 4 CVR-SE (2) b

As 0.228 0.002 6 CVR-SE (4)
Ca 0.074 0.254 6 SLR-S (2)
Cr 0.016 0.672 4 CVR-SE (1)
Cu 0.331 >0.001 9 CVR-NE (3), CVR-SE (5)
Fe 0.142 0.044 11 CVR-NE (1), CVR-SE (5)
Ni 0.047 0.426 5 CVR-SE (1) b

Pb 0.324 >0.001 11 CVR-SE (5), SLR-N (2)
Zn 0.209 0.004 10 CVR-NE (2), CVR-SE (4)
IPI 0.257 >0.001 10 CVR-NE (1), CVR-SE (5)

a CVR is Charles Veryard Reserve; SLR is Smiths Lake Reserve; NE is north-east; NW is north-west; SE is
south-east; SW is south-west; N is north; S is south; E is east; b not associated with main CVR-SE cluster.

Figure 3. Spatial distributions of (a) As and (b) Cu in soil across Smith’s Lake and Charles Veryard Reserves, interpolated
by inverse distance weighting with significant local spatial autocorrelations (Local Moran’s I ≤ 0.05) indicated with filled
symbols. All sample points shown by + symbols.
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Figure 4. Spatial distributions of (a) Cr and (b) Ni in soil across Smith’s Lake and Charles Veryard Reserves, interpolated
by inverse distance weighting with significant local spatial autocorrelations (Local Moran’s I ≤ 0.05) indicated with filled
symbols. All sample points shown by + symbols.

Figure 5. Spatial distributions of (a) Pb and (b) Zn in soil across Smith’s Lake and Charles Veryard Reserves, interpolated
by inverse distance weighting with significant local spatial autocorrelations (Local Moran’s I ≤ 0.05) indicated with filled
symbols. All sample points shown by + symbols.
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Figure 6. Spatial distributions of (a) pH and (b) Integrated Pollution Index (IPI) in soil across Smith’s Lake and Charles
Veryard Reserves, interpolated by inverse distance weighting with significant local spatial autocorrelations (Local Moran’s
I ≤ 0.05) indicated with filled symbols. All sample points shown by + symbols.

Arsenic (As) showed a broad concentration peak in soil in the south-east of Charles
Veryard Reserve, with scattered local maxima in a few other locations (Figure 3). The As
peak in the south-east of Charles Veryard Reserve was co-located with samples having
significant (p ≤ 0.05) high-high local Moran’s I. Two points in Smith’s Lake Reserve had
significant low-high local Moran’s I (i.e., isolated low As concentrations).

Copper (Cu) showed peaks in the north-east and south-east of Charles Veryard Re-
serve, with no other obvious maxima (Figure 3). Samples in both peaks in Cu concentration
were significantly spatially autocorrelated (high-high, local Moran’s I p ≤ 0.05). One point
in north-west Charles Veryard Reserve had significant low-high local Moran’s I (i.e., an
isolated low Cu concentrations).

Lead (Pb) showed peaks in concentration in soil in the south-east of Charles Veryard
Reserve and the north of Smith’s Lake Reserve, with scattered local maxima in Pb concen-
tration in a few other locations (Figure 5). The Pb peak in the south-east of Charles Veryard
Reserve was co-located with samples having significant (p ≤ 0.05) high-high local Moran’s
I. A broad area of low Pb concentrations in Smith’s Lake Reserve coincided with significant
(p ≤ 0.05) low-low local Moran’s I, and instances of significant high-low and low-high local
Moran’s I values represented isolated high and low Pb concentrations.

Zinc (Zn) showed peaks in the north-east and south-east of Charles Veryard Reserve,
with a few other subtle maxima (Figure 5). Samples in both clear peaks in Zn concentration
were significantly spatially autocorrelated (high-high, local Moran’s I p ≤ 0.05). An area
of low Zn concentrations in Smith’s Lake Reserve coincided with significant (p ≤ 0.05)
low-low local Moran’s I. Similar to Pb, instances of significant high-low and low-high local
Moran’s I values in Smith’s Lake Reserve represented isolated high and low Zn.

Soil pH showed a cluster of lower values in the north-west of Charles Veryard Reserve
with significant low-low spatial autocorrelation (Moran’s I p ≤ 0.05). In contrast, significant
clusters of higher pH values were present in the west of Charles Veryard Reserve, the
south-east of Charles Veryard Reserve, and the south of Smith’s Lake Reserve (Figure 6).

Finally, the derived Integrated Pollution Index (IPI) had a maximum in the south-east
of Charles Veryard Reserve, with a minor maximum in the north-east (Figure 6). A cluster
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of samples in the south-east IPI peak were significantly spatially autocorrelated (high-high,
local Moran’s I p ≤ 0.05). An isolated low IPI value (low-high local Moran’s I, p ≤ 0.05)
was present to the east of Smith’s Lake.

A comparison of mean values of the variables of interest between samples from the
different zones in Figure 2 reinforced the qualitative results from spatial interpolation
(Table 4). The highest mean values for several potential contaminants (As, Cr, Cu, and
Pb) were observed in the south-east of Charles Veryard Reserve (no significant effect of
sampling zone was found for Ni or Zn).

Table 4. Comparison of pH, EC (1:5 soil: water extract), element concentrations, and IPI in distinct Zones of Smith’s Lake
(SLR) and Charles Veryard (CVR) Reserves. Mean values in a row are different if no superscript letters are shared (p ≤ 0.05,
Conover’s pairwise test with Holm’s correction).

Variable
P

(K-W) 1
Mean in Each Zone 2

CVR-Centre CVR-NE CVR-NW CVR-SE CVR-SW SLR-N SLR-S Other

pH 0.0001 6.58 a 6.65 ab 6.24 a 7.34 bc 7.35 bc 6.88 abc 7.38 c 6.66 abc

EC 0.013 155 ab 90.7 ab 273 a 159 ab 232 a 68.1 b 265 ab 143 ab

Al 0.028 2530 ab 2857 ab 2285 a 3373 b 2621 ab 1960 ab 3011 ab 2489 ab

As 0.004 1.91 a 2.46 ab 1.96 a 3.79 b 2.17 a 2.99 ab 3.04 ab 2.38 ab

Ca 0.004 1766 abc 3511 abc 4534 abc 6710 abc 7472 ab 3570 ac 11,450 b 1343 c

Cr 0.020 6.98 ab 8.47 ab 6.62 a 9.42 b 7.18 ab 5.85 ab 7.51 ab 6.20 a

Cu 0.010 5.10 ab 16.7 ab 3.57 a 17.6 b 5.36 ab 8.43 ab 8.34 ab 4.52 ab

Fe 0.041 2377 ab 2936 ab 2071 a 3623 b 2418 ab 2680 ab 2861 ab 2535 ab

Ni 0.300 ns ns ns ns ns ns ns ns
Pb 0.043 11.7 a 31.2 ab 15.4 ab 56.9 b 15.3 ab 47.8 ab 15.7 a 16.5 ab

Zn 0.255 ns ns ns ns ns ns ns ns
1 Overall p-values from Kruskal-Wallis test; 2 CVR is Charles Veryard Reserve; SLR is Smiths Lake Reserve; NE north-east; NW north-west;
SE south-east; SW south-west; N north; S south.

3.3. Relationships between Soil Elements

Several significant positive correlations existed between elements across the soil data
from Charles Veryard and Smith’s Lake Reserves (Table S1, Supplementary Material).
Calcium, Mg and Sr were very highly correlated (r = 0.80–0.96), and Ca and Sr were the
only elements significantly correlated (r = 0.66) with pH. The major elements Na, K, and
Mg were all highly correlated (r ≥ 0.7), as were P, K, Mn, and S. High correlations also
existed between iron (Fe) and As, Ba, Cu, Pb, and V. Many potential contaminants were
also highly correlated with one another, e.g.,: Cu with Ba, Pb, and Zn; Pb with Cd, Cu, and
Zn; Cr with V.

Principal components analysis (Figure 7) showed grouping of Cu, Pb, and Zn in PC1-
PC2 space, associated with some of the samples from north-east and south-east where peak
concentrations of these elements were observed (Figures 3 and 5). Arsenic plots at similar
values of PC2, but has an association with Fe and Cr at small positive PC1 values. No
obvious element associations were observed using PCA for Ni. The principal components
analysis also identifies an association of Ca with Sr and Ba, an association of nutrient
elements (S, P, K) with the central Charles Veryard Reserve samples, and clustering of rare-
earth and related elements (Ce, Gd, La, Nd, Y). Additional results derived from principal
components analysis are available in Tables S2–S4 in the Supplementary Materials.
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Figure 7. Principal components biplot for the first two principal components based on elemental
composition in surface soil at Charles Veryard and Smith’s Lake Reserves. Observation scores
are identified by sampling Zone (see Figure 2). Concentrations were transformed using centered
log-ratios before PCA, to avoid spurious effects of compositional closure.

In surface soil, there was a weak negative relationship between lead and vanadium
concentrations and minimum (Euclidean) distance from any road surrounding or bisecting
the reserves (Figure 8). No other contaminant of primary interest showed a significant
trend in relation to distance from roads.

Figure 8. Weak trends in (a) Pb and (b) V concentrations in surface soil with distance from roads in
Charles Veryard and Smith’s Lake Reserves. Solid blue lines are log-linear models.

3.4. Depth Distributions of As, Cr, Cu, Ni, Pb, and Zn

Depth profile plots for As, Cr, Cu, Ni, Pb, and Zn are presented in Figures 9–11.
Depth profiles of As, Cr, Cu, Ni, Pb, and Zn frequently showed maximum concentrations
in subsurface soil samples. High maximum concentrations of Pb (376 mg/kg) and Zn
(1155 mg/kg) were measured at 30–40 cm in core 4.2 (Figure 11), on the eastern side of
Charles Veryard Reserve south of the Macedonia Place car park. Core 3.2 also contained
568 mg/kg Pb at 50–60 cm. Core 4.2 also contained the maximum concentration of As
(14 mg/kg at 20–30 cm), Cd, Mn, and Ni. The greatest concentration of Cu (356 mg/kg)
was observed in the adjacent core 4.1 (Figure 9).
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Figure 9. Depth profiles of (a) arsenic (As) and (b) copper (Cu) in soil cores collected from Smith’s
Lake and Charles Veryard Reserves, City of Vincent, Western Australia. Core locations from Figure 1.
Ecological investigation limits (EIL) are shown as vertical dashed lines where relevant.
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Figure 10. Depth profiles of (a) chromium (Cr) and (b) nickel (Ni) in soil cores collected from Smith’s
Lake and Charles Veryard Reserves, City of Vincent, Western Australia. Core locations from Figure 1.
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Figure 11. Depth profiles of (a) lead (Pb) and (b) zinc (Zn) in soil cores collected from Smith’s Lake
and Charles Veryard Reserves, City of Vincent, Western Australia. Core locations from Figure 1.
Ecological investigation limits (EIL) are shown as vertical dashed lines where relevant.

There was a tendency for pH to increase with increasing depth, and EC to decrease
with increasing depth, and the trends in Fe with depth were very similar to those for As
(Figure S1, Supplementary Material).

4. Discussion

4.1. Concentrations of Potential Contaminants

Surface soils in the Charles Veryard and Smith’s Lake Reserves were largely uncon-
taminated with any of the elements measured. No potential contaminant in surface soil or
subsoil exceeded any relevant human health guideline for recreational/public open space
land use (Table 2). This may reflect rehabilitation of the site to parkland using techniques
as simple as covering with clean fill, which is known to suppress the surface expression
of soil contamination [38]. In surface soil, the only element to exceed a guideline value
was Zn, which had concentrations greater than the 200 mg/kg EIL threshold [37] in the
southeast (two samples) and northeast (one sample) of Charles Veryard Reserve. More
subsoil than surface soil samples exceeded EIL thresholds (Table 2).

The exceedance of EIL guideline values by Zn in a few surface soil samples and several
subsoil samples in the eastern zones of Charles Veryard Reserve (Figures 9–11) reflects
the common occurrence of zinc in urban environments, especially building materials and
road traffic, and export of Zn into soil environments [39,40]. Very few toxicological studies
exist on the effects of zinc on typical sports turf plants or the microbial ecology in these
environments; the likelihood that this Zn represents anthropogenic additions means that
the bioavailability of Zn would therefore also be expected to be greater than for native soil
Zn [36,41].

4.2. Spatial Patterns of Potential Contaminants in Surface Soil

Although the incidence of actual surface soil contamination was low at Charles Ver-
yard and Smith’s Lake Reserves, the zone in which most enrichment of potential contami-
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nants (As, Cr, Cu, Pb, and Zn) occurred coincided with the greatest subsoil concentrations
of these elements (Figures 9–11). This was the CVR-SE zone, in which the greatest number
of point-variable combinations had significant high-high local Moran’s I statistics (Table 3),
confirming the visualizations generated by inverse-distance interpolation (Figures 3–6).
Based on these analyses, the south-east corner of Charles Veryard reserve, an area approxi-
mately 40 m N-S and 20 m E-W (ca. 800 m2), is contaminated with As, Cu, Pb, and Zn, a
finding supported by the Integrated Pollution Index (Figure 6b). Based on a single sample
with significant high-high Local Moran’s I, and weak evidence of subsoil enrichment, Cr
contamination may also be present in this location. However, the Global Moran’s I statistics
for Cr and Ni could not reject the null hypothesis of no spatial pattern, and no local Moran’s
I values were significant for Ni, so it is unlikely that either Cr or Ni have been added by
contamination processes at the study site. Both Cr and Ni also had significant isolated high
concentrations (significant high-low local Moran’s I; Figure 4)) which were not co-located;
no isolated high concentrations were observed for As, Cu, Pb, or Zn.

The CVR-SE zone was the location of soil cores showing the greatest concentrations of
As, Cr, Cu, Ni, and Zn, and the most exceedances of each element’s ecological investigation
limit (EIL) concentrations (Figures 9–11). Pb concentrations in subsoil at this location were
also high, although the greatest concentration occurred in Core 3.2 in the west of Charles
Veryard Reserve. The co-location of surface soil contamination identified by spatial analysis
with subsoil contaminant maxima confirms the south-east Charles Veryard Reserve area as
the only location of significant contamination.

4.3. Associations of Potential Contaminants

Despite the minimal surface soil contamination, the identification of distinct soil zones
based on their geochemical properties (Figures 3–6) suggested that these different zones
may represent the signatures of past activities or construction at the Charles Veryard and
Smith’s Lake Reserves. The element associations identified in the soil zones were supported
by the Principal Components Analysis (Figure 7).

The associations identified by Principal Components Analysis are consistent, and
also make geochemical sense. The nutrient elements K, P, and S probably represent a
common source from historical horticulture [42]. The grouping of Ca, Mg, Sr, and Ba
includes elements which are all commonly associated with carbonates and/or cement-
based materials [35]. The metal contaminants Cu, Zn, and Pb often have a common source
such as building materials or roads and traffic [43]. Finally, Fe, As, Cr, and V reflect the
commonly-observed associations of As, Cr, and V with iron oxides in soils [44], and Cr and
V are used with Fe in manufacture of some steel products [45].

The association of Cu, Pb, and Zn in PC1-PC2 space, and to some extent As and
Cr in the second principal component dimension, validated the calculation of the In-
tegrated Pollution Index (IPI) from these elements. The IPI values are unusually high
(range 6–28), reflecting the somewhat low values used for background concentrations.
Reliable background concentrations for trace elements in soils of the Swan Coastal Plain
around metropolitan Perth are still subject to uncertainty and obtaining these should be a
priority for local research.

The low pH and low concentrations of many elements in the north-west of Charles
Veryard Reserve most likely reflect a very sandy (i.e., poorly buffered) soil material which
has been subject to minor acidification. This acidification may have originated from
historical or recent disturbance of the underlying peaty acid sulfate soil material (e.g., by
light pylon installation), given the classification of much of the Charles Veryard and Smith’s
Lake Reserves area as being high to moderate risk of acid sulfate soil within 3 m of the
land surface (Figure 1).

Elevated concentrations of Cu, Pb, and Zn in the north-east of Charles Veryard Reserve
most likely represent contributions from construction (the Macedonian Centre, buildings on
Albert Street) and possibly road traffic [39,46]. A road traffic origin for Pb is supported by
the significant negative relationship of Pb with distance from roads (Figure 8). Construction

72



Soil Syst. 2021, 5, 46

and historical waste disposal sources are likely to have contributed Cu, and Pb to the south-
east of Charles Veryard Reserve. The Charles Veryard Reserve south-east soil zone also has
elevated pH, Al and Fe, however, so background concentrations may be naturally higher
due to greater clay and/or iron oxide content of soils [44]. The greater concentrations of
arsenic are most likely due to retention on Fe oxides, since there are no obvious sources of
contamination and As concentrations are generally low. The greater concentrations of Al
and Fe may themselves represent contamination from disposal of metalliferous wastes.

Soil in the south-west of Smith’s Lake Reserve is characterized by higher pH and
concentrations of Ca, Sr, Na, and P (and possibly K, S, and Mn). The high pH and
elevated Ca and Sr are likely to represent additions of limestone or cement-based building
materials [47]. Such additions are plausible given the relatively recent (2008) demolition
of the Len Fletcher Sports Pavilion in the south of Smith’s Lake Reserve.Enrichment with
the nutrient elements P, K, and S, and also Na, may reflect historical market gardening
at the site and associated use of fertilisers, or organic amendments such as composts or
manures [1].

The weak but significant trend in lead and vanadium concentrations as a function of
distance from roads (Figure 8) suggests that road traffic was a significant source of these
elements, in agreement with previous studies [48]. Since leaded fuels are no longer used in
Australia and numerous other countries, the inputs of Pb are likely to represent a historical
legacy of Pb accumulation in roadside soils. The abrasion of road surfaces by traffic is a
potential source of vanadium from bituminous materials used as asphalt binders [49].

Concentrations of Cu, Pb, and Zn in soil profiles exceeded Ecological Investigation
Limits (EILs) in several samples, especially for Zn (Figures 9 and 11). Most of these higher
concentrations, however, were in deeper subsoil samples, so the risk to biota (mainly plant
and microbial uptake) would therefore be expected to be minimal.

The existence of subsoil maximum concentrations at some locations may represent
burial of waste material or drain sediment, or an evaporation/redox front resulting in accu-
mulation of some elements. Given that that waste disposal at the Smith’s Lake and Charles
Veryard Reserves site is known to have been widespread [50,51], waste material would
seem the most likely source. The relatively high subsoil concentrations of trace elements
may represent a health risk, for example if dust is generated during excavation [52]. The
potential risk should be considered in the context of a children’s playground adjacent to
the most contaminated surface soils and soil profiles.

5. Conclusions

An important conclusion from the initial concentration data is that the surface soil
and subsoil sampled in this study at Smith’s Lake and Charles Veryard Reserves is not
contaminated with As, Cr, Cu, Ni, Pb, or Zn levels of concern from a human health
perspective. There was, however, multiple exceedance of ecological investigation trigger
limits (EIL) for Zn in surface soil and Cu, Pb, and Zn in subsoil. The spatial analysis showed
that, on the basis of global and local Moran’s I, distributions of most elements were not
random but showed clustering. In line with the initial hypothesis, this significant clustering
of adjacent higher concentrations in surface soil allowed identification of a specific area
which, at the scale of sampling design, represented inputs from a point source of As, Cu,
Pb, and Zn. At this site, the specific area of surface soil contamination was co-located with
the most significant subsoil contamination, but this may not be a general result.

The combination of multivariate geochemical analysis with spatial information al-
lowed both identification of realistic associations of elements, including potential contami-
nants. In particular, there was a consistent association of the dominant contaminants (Cu,
Pb, and Zn) in the south-east of Charles Veryard Reserve which could be deduced from
univariate spatial autocorrelation analysis, a composite contamination index (IPI), and
multivariate principal components analysis.

In this study, the location and significance of potential contamination in the soil
of urban public open space has been assessed thoroughly by measurement of multiple
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parameters, and rigorous spatial and statistical analysis. It is recommended that any such
study uses a similar approach if soil contamination is suspected, especially given the
global tendency for urban populations to increase and for redevelopment of, and increased
population density in, inner-city precincts.

Supplementary Materials: The following are available online at https://www.mdpi.com/2571-878
9/5/3/46/s1. Figure S1: ‘Depth profiles of pH, EC, and Fe in soil cores collected from Smith’s Lake
and Charles Veryard Reserves, City of Vincent, Western Australia’; Table S1: ‘Matrix of Spearman
correlation coefficients for pH, EC, and elemental composition of soil samples from Smith’s Lake
and Charles Veryard Reserves. Values in bold type indicate a significant correlation (p ≤ 0.05, using
Holm’s adjusted p-values for multiple comparisons)’. Table S2. ‘Component Loadings for PC1-PC8’.
Table S3. ‘Summary of Principal Components’. Table S4. ‘Eigenvalues (variances) for the first 8
components’.
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Abstract: Sorted and aged bottom ash from Waste-to-Energy plants, i.e., MIBA (the Mineral fraction
of Incinerator Bottom Ash) are potential source of metals that could be utilized to meet the increased
demand from society. In this work, sunflowers (Helianthus annuus) and rapeseed (Brassica napus) were
cultivated in conventional MIBA to evaluate the possibility for phytoextraction, mainly of Zn, during
the period of one cultivation season in the Nordic climate. The results show that metal extraction
from MIBA using rapeseed and sunflowers is workable but that neither of the used plants is optimal,
mainly due to the inhibited root development and low water- and nutrient-holding capacities of
MIBA. The addition of fertilizer is also important for growth. There was a simultaneous accumulation
of numerous metals in both plant types, and the highest metal content was generally found in the
roots. Calculations indicated that the ash from rapeseed root incineration contained about 2% Zn, and
the contents of Co, Cu, and Pb were comparable to those in workable ores. This initial study shows
that cultivation in and phytoextraction on MIBA is possible, and that the potential for increased
metal extraction is high.

Keywords: WtE bottom ash; phytoextraction; zinc recovery; rapeseed; sunflower; MIBA

1. Introduction

The demand for metals is increasing in our society. The importance of a secure metal
supply has been acknowledged by the European Commission, which has recommended
the utilization of secondary raw materials as a way to achieve this [1]. When waste is
incinerated using the most common technique, Waste-to-Energy (WtE) mass burn com-
bustion, about 20% of the mass becomes what is known as bottom ash. In Sweden alone,
almost 1 million tons of this type of bottom ash is produced annually; in the EU, Norway,
and Switzerland, the corresponding amount is approximately 18 Mt/year [2,3]. These
ashes contain significant amounts of metals, and the most common treatment method for
bottom ash is mechanical separation, where pieces of metal are recovered and combined
with natural weathering, i.e., carbonation. Ash having had this treatment is referred to
as MIBA, the Mineral fraction of Incinerator Bottom Ash, to distinguish it from untreated
bottom ash [3]. This treatment does not only recycle solid metals but also stabilizes the
material [4,5] and opens it up for utilization. In some countries, e.g., Denmark and the
Netherlands, MIBA is used for conventional road construction, whereas in others, includ-
ing Sweden, Norway, and Switzerland, it is landfilled or used within landfills [3]. The
variance in management approaches is a result of the different guidelines and legislation
used in different countries [3]. Current guidelines and legislation are strongly correlated to
the presence and potential leaching of metals, as even after mechanical metal recovery, a
significant amount of metal remains in the MIBA, either bound in chemical compounds or
as small pieces (typically < 1 mm); see, e.g., [6,7]. If more metals were to be removed, the
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potential fields of application for MIBA would increase significantly, and most importantly,
these resources could be utilized instead of virgin metals needing to be mined.

Recovery of the metals remaining in MIBA cannot be carried out using physical
separation, but thermal or hydrometallurgical processes could potentially be used. The
content of, e.g., Cu in MIBA is comparable to workable ores, but as the MIBA matrix is
different from a rock, the amounts are still too low to be of interest to the energy-intensive
metal refining industry [8]. Additionally, the presence of unwanted elements such as Cl
and As may harm the recovery process [8]. Instead, MIBA must be treated to generate
concentrates with higher contents of interesting metals and lower amounts of unwanted
elements. Hydrometallurgical processes, i.e., leaching combined with, e.g., chemical
precipitation, could be a way to get such material. However, the main challenge is the huge
amounts of leaching media needed for MIBA treatment. Pure water is not efficient enough
to leach metals, and assuming a liquid-to-solid ratio of 4, almost 4 million m3 leaching
agents would be required for Sweden alone. Even if part of the leachate was re-circulated,
the large amounts of liquid would still be problematic. In this perspective, phytoextraction
is an interesting alternative for metal recovery from MIBA, as it offers a way to extract
and concentrate the metals of interest. Phytoextraction uses specific plants, so-called
hyperaccumulators, that cannot only survive in contaminated areas but can also extract
the contaminants into their tissues. Once harvested, these plants can be incinerated, and
metals can be recovered from the resulting ash. Successful laboratory-scaled Ni recovery
experiments which combine phytoextraction with separate incineration of the Ni-enriched
plants have been reported [9]. However, separate incineration is usually not an alternative
if used on a full scale. Instead, incineration of the enriched plants in conventional full-scale
WtE plants is favorable, and the metals enriched in plants would likely be found in the
fly ash [10]. This is positive, as the recovery of metals from WtE fly ash has been in focus
for many years. Zn especially is of high interest, and several successful initiatives for Zn
recovery from ash are under development or present as full-scale processes [11–13]. This
makes the production of a Zn-rich fuel generated from the growth of hyperaccumulators
in MIBA especially interesting, as this would transfer the Zn from the challenging MIBA
matrix into a material from which Zn can be recovered efficiently. Besides, in the future,
methods for the recovery of other valuable metals in fly ash are likely to be developed as
well.

Phytoextraction is used for treating contaminated soils all over the world; however, a
drawback for the Nordic countries is that many of the known Zn hyperaccumulators, e.g.,
water hyacinth (Eichhornia crassipes), do not grow naturally in their climate [14]. Further,
several of the potential plants have limited biomass, including alpine pennycress (Thlaspi
caerulescens) [15]. However, sunflowers (Helianthus annuus), rapeseed (Brassica napus), corn
(Zea mays), and haricot verts (Phaseolus vulgaris), as well as larger plants, such as salix trees,
have also been shown to accumulate Zn [15–22]. Generally, experiments carried out so
far have used contaminated soils with few contaminants, and there is a lack of studies of
scientifically controlled cultivation on ash containing several potential pollutants. Most
earlier studies have used coal ash [23,24]; however, there is one published study where
manually sorted and washed bottom ash from WtE incineration was used [25]. The results
of this study showed that Ni and Zn were extracted by Alyssum (serpyllifolium) and a
succulent (S. plumbizincicola), respectively, although the biomass production was low. To
the best of the authors’ knowledge, no study on phytoextraction from conventional MIBA
has been scientifically considered.

This project aimed to study phytoextraction, mainly of Zn, from conventional MIBA
during the period of one cultivation season in the Nordic climate. The specific goals were
to evaluate the survival of the plants in MIBA and to evaluate the potential to generate
Zn-enriched fuel, which is to be used for metal recovery. Additionally, the simultaneous
decrease in the metal content in the remaining MIBA was measured.
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2. Material and method

2.1. Material

The MIBA used in this work originated from a full-scale WtE-incineration plant in
southwestern Sweden. The waste, mainly municipal and industrial waste, was incinerated
in four grate-fired furnaces with steam boilers that produced electricity and district heating.
Bottom ash was collected from all lines, mixed, and stored in large piles that were naturally
weathered, i.e., not sheltered against wind or water, for at least 6 months. After 1–3 months
in storage, metal pieces (>~2 mm) were mechanically removed using mobile sorting
equipment with magnets and eddy current magnets. Sub-samples from the MIBA were
collected and mixed to form one sample of about 600 kg, which was used for the cultivation
tests.

For the control cultivation, where sunflowers and rapeseed were cultivated under
normal circumstances, a commercial “lean planting soil” generated from the biological
treatment of garden waste was used (Table 1) (Reference soil) [26]. To promote plant
growth, and to study the effect of fertilizer on this growth, the reference cultivation boxes
and half of the cultivation boxes containing MIBA were fertilized with YaraMila Promagna
11-5-18. This fertilizer is specially developed for plants with a high need for N, which is a
shortage in MIBA [27].

2.2. Cultivation Experiments

Suitable plant types were chosen based on a review of the literature, with the pre-
requisites that the selected plants should be able to: grow on open land in a Nordic climate,
obtain significant relative biomass within one cultivation season, and have a proven affinity
for Zn. Further, the plants should preferably have a dense structure, to ensure good
incineration properties in recovery processes. Sunflowers (Helianthus annuus) are known
to be suitable for phytoremediation of Zn, but other cruciferous plants, such as rapeseed
(Brassica napus), have also been shown to be appropriate [17,18,25,28,29]. Additionally, as
rapeseed and sunflowers both have variations of taproots, these plants were chosen for the
cultivation experiments.

The experiments were performed using six cultivation boxes of about 1 m2 each. The
boxes were prepared in several layers, starting with a plastic covering on the inside, to
prevent uncontrolled leaching. Thereafter, an approximately 15-cm thick layer of leca
(Light Expanded Clay Aggregate) spheres was placed in the bottom, followed by a ground
cloth. Finally, about 30 cm of MIBA or reference soil (control cultivation) was placed on
top of the ground cloth in each box. In total, 6 boxes were prepared for the cultivation
experiments, 4 cultivation experiments in MIBA and 2 control cultivation experiments in
reference soil:

• Sunflowers in MIBA without fertilizer (SwoF)
• Sunflowers in MIBA with fertilizer (SF)
• Sunflowers in reference soil with fertilizer (Sref)
• Rapeseed in MIBA without fertilizer (RwoF)
• Rapeseed in MIBA with fertilizer (RF)
• Rapeseed in reference soil with fertilizer (Rref)

Seeds of both sunflowers and rapeseed were supplied by the agriculture cooperative
Lantmännen. The sunflowers were pre-cultivated in reference soil in a greenhouse and
were about 20 cm high when planted in the boxes, while the rapeseed plants were grown
directly in the boxes. To improve the growing conditions, small holes, about 2–4 centimeters
deep, were made in the MIBA boxes. The holes were filled with reference soil and the
plants and seeds were grown inside the holes. Eight holes, i.e., eight plants, were made
in each sunflower box, while twelve holes were used for the rapeseed. Several rapeseed
plants were planted in each hole. Rapeseed was also planted directly in MIBA. Fertilizer
was added one week after planting, in amounts according to the recommendation from
the producer. All boxes were placed in similar sun and wind conditions. Watering using
ordinary tap water, management, and growth checks (ocular and height measurement)
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were carried out regularly during the growing season (end of April to the middle of
September). Some excess water was collected in the bottom of the boxes, where it could
not reach the roots. This water was not returned to the plants. Approximately 6 weeks
after planting, the rapeseed plants were thinned out in some of the planting groups. This
was done to study whether or not having a large number of rapeseed plants within a small
area would harm their growth.

Table 1. Contents in original reference soil, MIBA and the fertilizer used. Additionally, leaching (L/S 10) from MIBA
according to SS-EN-12357-3 is shown. All amounts are provided in mg/kg DS except pH, TOC, ANC, EC, and bulk density.

Reference Soil MIBA Fertilizer
Element Total Amounts SD Total Amounts SD Leaching (L/S 10) SD Total Amounts

Al 11,000 - 1 59,000 7700 na 2 - na
As 1.8 0.5 26 7 0.05 0.02 na
B 8.5 - 200 30 na - 500

Ba 92 4.1 1700 260 1.1 0.05 na
Be 0.6 - 1.4 0.20 na - na
Ca 6317 878 130,000 1000 na - na
Cd 0.13 0.04 2.5 0.6 0.003 0.001 <55 3

Co 7.3 0.5 39 24 na - na
Cr 14 1.1 440 220 0.26 0.15 na
Cu 27 4.3 3400 1500 3.2 0.15 300
Fe 16,900 - 53,000 11,000 na - 800
Hg 0.032 0.004 0.025 0.002 <0.001 - na
K 5087 147 11,000 1600 na - 176,000

Mg 4490 70 13,000 840 na - 16,000
Mn 330 - 1100 160 na - 2500
Mo 2.7 2.0 27 22 1.2 0.24 20
N 2250 150 na na na - 110,000
Na 558 - 24,000 2100 na - na
Ni 10 2.5 200 100 0.09 0.03 na
P 919 269 4100 360 na - 46,000

Pb 15 1.9 1600 1300 0.23 0.20 na
S 671 225 8900 210 na - 100,000

Sb 0.9 0.4 80 23 0.34 0.03 na
Se <5.0 - na - 0.02 0.01 na
Si na - 160,000 25,000 na - na
Sn 1.5 - 200 110 na - na
Sr 27 - 390 - na - na
Ti na - 8700 720 na - na
V 26 1.5 48 4.4 na - na

Zn 103 20 5000 1100 1.6 1.4 na
Cl− na - na - 3200 360 na
F− na - na - 2.7 0.55 na

SO4
2− na - na - 10,700 3900 na

DOC na - na - 220 64 na
pH 6.8 0.05 na - 9.4 1.0 na

TOC [%] 6.8 1.4 1.2 0.1 na - na
Humus content [%] 17.1 0.6 na - na - na

ANC [mol H+/kg DS] na - 2.3 0.2 na - na
ECsw

4 [mS/m] na - na - 820 38 na
Bulk density [kg/m3] 700 <1 1080 5 - na - na

1 Not possible to calculate due to a single sample or parameter not analyzed; 2 Not analyzed; 3 Re-calculated from a maximum of
12 mg Cd/kg P; 4 L/S 2; 5 Re-calculated from a natural moisture content of 10%.

After 20 weeks, the plants were gently harvested manually using small spades. The
plants, and any reference soil or MIBA on or close to their roots, were collected and dried
at room temperature for 1 week. Due to the low growth rate, small sub-samples were
collected from several cultivation spots in each box, then mixed into one MIBA sample per
box. For consistency, only one sample from each reference box was collected according to
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the same methodology. The dried plants were separated into below-ground biomass, i.e.,
roots and above-ground biomass, before further analysis. The only exception was RwoF, as
the biomass from this box was too small to allow separation into different plant fractions.

2.3. Chemical Analyses

Total element concentrations in the original MIBA and the solid residues after cultiva-
tion were analyzed at accredited laboratories (Eurofins, Luxembourg, and Synlab, Munich,
Germany) by melting with LiBO2 followed by dissolution in HNO3 according to ASTM
D3682: 2013 and ASTM D4503: 2008, or with HNO3/HCl/HF according to SS-EN 13656:
2003. Final analysis of the solutions was performed using ICP-SFMS (Inductively Coupled
Plasma-Sector Field Mass Spectrometry) according to SS-EN ISO 17294-2: 2016 and EPA
method 200.8: 1994. A total content analysis of the elements in the soil before and after cul-
tivation was carried out at an accredited laboratory (Eurofins, Luxembourg) by dissolution
in aqua regia according to SS-ISO 11466, followed by analysis with ICP-SFMS (SS-EN ISO
17294-1, 2 (mod) or EPA method 200.8 (mod)) or ICP- AES (Inductively coupled plasma
atomic emission spectroscopy) (SS-EN ISO 11885 (mod) and EPA method 200.7 (mod)).
The contents in the original MIBA and reference soil were analyzed in triplicates, while the
residues after harvest, due to limited sample volume, were analyzed as singlicates.

The total organic carbon (TOC) and acid-neutralizing capacity (ANC) of the MIBA
were analyzed at an accredited laboratory (Eurofins, Luxembourg) in duplicate, using
SS-EN 13137: 2001 and EN 14429: 2015, respectively. The particle size distribution in
MIBA was carried out as singlicate (30 g) at the Chalmers University of Technology using
EN 933-1. The particle size distribution and humus content in soil were analyzed in
triplicates using SS ISO-11277 (2009), while TOC was analyzed using SS-EN 15936: 2012
metodappl. A/SS-EN 13137: 2001 m and pH using DIN ISO 10390: 2005–12, all in triplicates
and at accredited laboratories (Eurofins, Luxembourg). The bulk density of the soil was
analyzed in triplicate (internal method at the accredited laboratory Eurofins, Luxembourg),
while the corresponding value for MIBA was calculated from data in [30,31].

A 5-step sequential extraction scheme based on [32] was performed by an accredited
laboratory (Synlab, Munich, Germany) on the original MIBA (single sample) to study the
potential mobility and operational binding forms of selected elements [33]. The method
uses 1 M NaOAc, pH 5, to extract easily adsorbed and exchangeable metals and carbon-
ates, followed by Na4P2O7 to extract metals weakly bound to organic matter, 0.25 M
NH2OH·HCl in 0.1 M HCl in 60 ◦C to extract metals bound to amorphic iron and man-
ganese oxides, 1.0 M NH2OH·HCl in 25% CH3COOH in 90 ◦C to extract metals bound to
crystalline iron oxides, and finally KClO3 in 12 M HCl 4 M HNO3 in 90 ◦C to extract metals
bound to the stable organic forms and sulfides. The leachates were analyzed according to
SS-EN ISO 17294-1,2 (mod)/EPA-method 200.8 (mod) and SS 028150-2.

To evaluate potential leaching, SS-EN-12457-3 was performed on representative orig-
inal MIBA samples. The test was carried out in duplicate. The pH of the leachates was
measured according to SS-EN ISO 10523: 2012. The electrical conductivity (EC) of the
leachates was measured according to SS-EN 27888-1 at a liquid-to-solid (L/S) ratio of 2. All
analyses were conducted at accredited laboratories (Eurofins, Luxembourg, and Synlab,
Munich, Germany).

The elemental contents of the harvested plants (above- and below-ground biomass)
were analyzed after microwave digestion with HNO3/H2O2 using ICP-SFMS according
to SS-EN ISO 17294-2: 2016 and EPA method 200.8: 1994. The analyses were done at an
accredited laboratory (Synlab, Munich, Germany) in duplicate.

3. Result and Discussion

3.1. Characterisation of Original MIBA

Biomass ashes are known to act as a fertilizer and promote the growth of trees when
spread in woods or used in agricultural processes [34,35]. The Swedish Forest Agency has
issued recommendations on the total content of different elements in biomass ashes to be
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reintroduced to a forest [36]. A comparison between those values and the contents of the
MIBA samples used in this study showed that of the macronutrients (Ca, K, P, Mg), Ca and
Mg were present in sufficient concentrations, whereas the K and P contents were too low
(Table 1). This shows that there is potential for plants to grow in MIBA and that growth
could be promoted by adding NPK fertilizer. However, the amounts of the potentially toxic
metals Cr, Cu, Ni, and Pb all exceeded the recommended levels, and it is well known that
this can inhibit growth, especially of the roots; see, e.g., [37] and references therein. On the
other hand, their mobility in water is low (Table 1) and sequential extraction has shown
that of these elements, Pb was the only one with a high proportion present in exchangeable
and adsorbed forms (Figure 1). In addition to Pb, Zn, Cd, and Ca are also highly mobile
and were present in more than 50% of the exchangeable fraction. Chromium and Ni
were mainly present in stable forms (steps 4 and 5), and are unlikely to be as available
for phytoextraction. For most elements, the presence in step 2 (labile organic forms) was
<10%, which was expected, as the TOC in MIBA is low (Table 1). The predicted mobility
of Cu is low, and >70% was present in the sulfide fraction (step 5). The consistency of the
results from the total elemental analyses for the other elements was acceptable between
the methods. The mobility of anions, such as chloride and sulfate, as well as ECsw, were
noteworthy (Table 1), as high salinity is known to affect plant growth negatively [38].
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Figure 1. Sequential extraction distribution for original MIBA. Step 1: easily adsorbed and exchange-
able metals and carbonates, Step 2: metals weakly bound to organic matter, Step 3: metals bound to
amorphic iron and manganese oxides, Step 4: metals bound to crystalline iron oxides, and Step 5:
metals bound to stable organic forms and sulfides.

3.2. Plant Growth and Biomass

The plant height growth was initially similar for all sunflower plants (Figure 2a).
However, after a few weeks, the rate decreased in the MIBA boxes, and after a few more
weeks, the MIBA plants started to lose their leaves and dried out. The addition of fertilizer
had only a minor effect on growth, which could have been due to the presence of potentially
toxic elements like Cu, Zn, and Cl that may inhibit nutrient uptake and affect plant growth
negatively [37–39]. Additionally, sunflower roots are likely to be too weak to efficiently
penetrate the compact MIBA and therefore don’t absorb enough water and nutrients
(Table 1).

Rapeseed showed a different pattern. Initially, the plants in the MIBA with fertilizer
(RF) grew slower than the reference plants (Rref) (Figure 2b). However, after a few weeks,
the rate increased and at harvest, the heights of the Rref and RF plants were almost
the same. However, the height variation was larger for RF than for Rref, implying that
cultivation in original MIBA is likely to be more diverse. Contrary to the sunflowers, the
addition of fertilizer was crucial. After only a few weeks, the plants without nutrient
addition (RwoF) already had a slower growth rate, and after 8 weeks, their growth stopped
completely (Figure 2b). The leaves of these plants were purplish, which is a known effect of
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P deficiency; see, e.g., [40]. The P content was 5 times higher in MIBA than in soil, but was
not in available forms for rapeseed (Table 1). Shortage of P is more common in alkaline soils
with low TOC and high Fe, and in plants with weak roots, which describes the conditions
in the MIBA boxes without fertilizer (Tables 1 and 2). No difference in the growing capacity
trends was observed for rapeseed plants planted at longer or shorter distances from each
other, indicating that many plants can be cultivated in a limited space, giving a higher
potential phytoextraction capacity.
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Figure 2. Average growth in cm for (a) sunflowers and (b) rapeseed cultivated in MIBA or reference
soil (Sref and Rref) over 20 weeks. Error bars indicate variations in height.

The main fraction of the biomass was found in the above-ground biomass irrespective
of the cultivation conditions or plant type (Table 2). However, the above-ground biomass
was significantly higher for the control plants, Sref, than for the sunflowers grown in MIBA,
which was due to the fact that the MIBA plants dried out and stopped growing. Both the
heights and the distances between the plants in Rref and RF were similar, but the total
biomass was approximately 3 times larger in the control plants, Rref (Figure 2b and Table 2).
The ocular inspection confirmed that both the above- and under-ground biomass of the RF
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plants was weaker than that of the Rref plants. This indicates that although the taproots of
rapeseed developed better than those of the sunflowers, their growth was still restricted
in MIBA. There are likely several reasons for this, and except for the higher bulk density
of MIBA (Table 1), which can inhibit root growth [41], another major difference was the
particle size distribution (Figure 3). MIBA contains a higher fraction of larger particles,
which is well known to give lower water- and nutrient-holding capacities. At harvest, it
was noted that the reference soil contained more water than the MIBA samples, despite the
same amount of water having percolated through all cultivation boxes. This was also noted
during the growing season, when the top layer of the MIBA appeared slightly drier than
the reference soil. MIBA is known to be a draining material, and much of the added water
probably percolated faster through the cultivation boxes and collected in the lower parts,
where the roots were unable to reach it, while the water in the reference boxes was more
evenly distributed. Additionally, the organic matter (TOC) in MIBA was low (Table 1),
which further affects this. Mixing the MIBA with organic matter would likely give a better
material for cultivation, as the presence of organic matter not only improves the nutrient-
and water-holding capacities but also provides better access to nutrients [42]. The fraction
of smaller particles will increase, and organic matter can also protect plants from absorbing
too much salt [42]. The latter might be of high importance in MIBA (Table 1).

Table 2. Above- and under-ground biomass yield [g] for sunflowers and rapeseed cultivated in MIBA
or reference soil (Sref and Rref) with SD in brackets.

Plant Biomass Above-Ground/Plant Biomass Under-Ground/Plant

[g] [g]

SwoF 0.8 (0.1) 0.2 (0.04)
SF 0.8 (<0.01) 0.3 (<0.01)

Sref 118 (41) 4.0 (0.3)
RwoF 0.1 1 (0.01) -

RF 0.2 (0.02) 0.1 (<0.01)
Rref 0.6 (0.01) 0.4 (0.06)

1 This includes the whole plant, due to insufficient biomass for division into parts.
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Figure 3. Cumulative particle size distribution curves for original reference soil and MIBA.

Rosenkranz et al. added compost in their study, but unfortunately, they did not
include any cultivation in reference soil [25]. The mass above ground per rapeseed plant
(Brassica n.) in their study was, however, consistent with the Rref in this study, showing the
effect of the addition of organic matter to MIBA. However, the higher contents of especially
Cu, Pb, and Zn in the conventional MIBA used here are also likely to have contributed
to the inferior growth rate [37]. Cultivation of rapeseed in sandy soil contaminated with
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Zn and Pb in amounts corresponding to those in the MIBA used here resulted in 30%
less above-ground biomass, indicating that the contamination level and the density of the
cultivation material both have an impact [43].

3.3. Metal Accumulation in Plants

Although most of the biomass was present in the parts above ground, the highest
metal concentrations were generally found in the roots for both plant types (Table 3). This
was particularly true for minor and trace elements such as Cu, Pb, and Zn in RF (Table 3).
Accumulation of Pb and Zn in rapeseed roots has previously been reported and suggested
to be caused by the formation of low mobility compounds between the heavy metals and
organic substances, as the metals enter the plasma in the roots [29,43]. For RwoF, the
distribution could not be evaluated due to insufficient biomass. The distribution trend was
weaker for the sunflowers, likely due to the limited germination of the MIBA plants. Earlier
research has indicated that the Zn content is highest in the leaves of the sunflower [18].
However, this was not found in the present study, neither in the sunflowers planted in
MIBA nor in those planted in the reference soil (Table 3). The metal contents were generally
higher in the rapeseed plants grown in MIBA than in the sunflowers (Table 3). For instance,
the Zn content in the below-ground biomass was about 10 times higher for the rapeseed
plants than for the sunflowers (Table 3). This is probably because the root systems of
rapeseed are more suitable for cultivation in MIBA than those of sunflowers, as discussed
above, although the effects of potential water and nutrient shortages are also likely to
influence this.

When calculating the bioaccumulation coefficients (BAC), i.e., the concentration of
metal in plant parts above ground divided by the metal concentration in original MIBA, it
is obvious that none of the used plant types should be classified as hyperaccumulators for
any of the elements studied, as BAC < 1. On the other hand, BAC might not be optimal for
evaluating the extraction efficiency in this material, as MIBA is more complex and generally
contains higher concentrations of metals than polluted soils. However, the results indicate
that for most elements, the higher the pollutant content in the solid material, the higher
the content in the plants. The Zn concentration was approximately 5 times higher in the
above-ground sunflower parts cultivated in MIBA than in the reference soil, even though
the growth was limited (Table 3). This was even more distinct for rapeseed, where the Zn
concentrations detected in the RwF roots were almost 20 times higher than those in the
Rref roots (Table 3). The highest enrichments compared to the reference cultivation were
found for Cu (50 times), and for Sn and Pb (25 times). Marchiol et al. reported that the
Zn content in rapeseed tissues cultivated in polluted soil substrate was 100 times higher
than in reference soil, while the enrichment for elements like Cu and Pb was one order
of magnitude higher [43]. This indicates that if the cultivation properties of MIBA are
improved by, e.g., the addition of organic matter [42], the extraction efficiency in rapeseed
probably will increase.

3.4. Metal Contents in MIBA after Harvest

Although the enrichment of several elements in the plants was significant, the ob-
served decreases in the MIBA samples were limited (Figure 4). This was also confirmed
by the low BACs, as calculated above. Except for elements that to a large extent form
water-soluble compounds (Ca, K, Na, and S), i.e., are washed out during watering, no
noteworthy changes in the MIBA composition were identified. Naturally, this was partly
due to the limited growth, and better cultivation conditions would most likely result in
higher extraction rates. Regardless, cultivation in MIBA should primarily be seen as a way
to recover unutilized metals, rather than as a way to efficiently remediate the material,
as this would take many years due to the complex contamination situation [22]. How-
ever, phytoextraction would likely decrease metal mobility, consequently enabling further
utilization alternatives, even though metal compounds would still be present.
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Figure 4. Contents (mg/kg DS) of selected elements in MIBA before and after cultivation of sunflowers and rapeseed.

3.5. Potential for Recovery of Zn and Other Metals from MIBA

From the results, it is obvious that the direct cultivation of sunflowers and rapeseed
in conventional MIBA is not straightforward. However, although both growth and metal
reduction were limited, a glimpse of the potential for using plants grown in MIBA as a
metal-enriched biofuel is shown. Plants from phytoextraction could be incinerated in WtE
plants, and the metals could be recovered from the fly ash, as discussed in the Introduction.
Calculations assuming 6% of fly ash mass after incineration of rapeseed plants [44] provide
ash with interesting quantities of Co, Cu, Pb, and Zn, for which the estimated amounts are
comparable to workable ores (Table 4) [45]. Additionally, Co has been identified by the EC
as a critical raw material [1]. However, for this to be interesting on a larger scale, metal
enrichment in these plants must increase. In addition to improving important cultivation
parameters of MIBA, such as the particle size distribution and the content of organic matter,
the choice of more suitable plants for phytoextraction in this kind of material is urgent. As
the metal content in MIBA is high, it would probably be more efficient to use perennial
plants, as one cultivation season is too short to reach efficient extraction. For instance,
plants in the salix family could be an alternative, as they are known to grow in highly
polluted soils in the climate of northern Europe and have a high capacity for extracting
Zn and other metals [20–22]. In a study using Salix caprea, Zn was enriched in the leaves,
while Co, Cu, and Ni had mainly accumulated in the roots [20]. By collecting the leaves
regularly, Zn can be recovered continuously, whereas metals mainly enriched in the roots
can only be recovered when the whole plant is harvested. An additional advantage with
plants in the salix family is their high biomass; this makes them suitable for incineration,
which makes them interesting from an energy perspective as well, as they may be capable
of displacing fossil fuels.

Table 4. Calculated indicative contents of Co, Cu, Pb, and Zn in ash after incineration of RF plants.
For comparison, contents in workable ores are shown [45]. All amounts are given in %.

Element Whole Plant Ash Root Ash Workable Ore

[%] [%] [%]

Co 0.007 0.02 0.01–0.08
Cu 0.42 0.95 0.14–2.6
Pb 0.12 0.29 0.30–9.4
Zn 0.78 1.7 0.31–12

4. Conclusions

This paper discusses for the first time, to the knowledge of the authors, the potential
of cultivating annual plants in conventional MIBA in order to generate metal-enriched
biomass fuel, which is to be used for metal recovery.
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The results show that cultivation of rapeseed and sunflowers in conventional MIBA is
challenging. The main explanations for this are the inhibited root development and low
water- and nutrient-holding capacities caused by unsuitable properties such as the high
fraction of large particles, the low TOC content, and the high density of MIBA. Rapeseed
plants with more developed taproots grew better than sunflowers, but the addition of
fertilizer was crucial.

There was an accumulation of numerous metals in both plant types, and the highest
metal content was generally found in the roots. Calculations indicated ash from rapeseed
root incineration contained 2% Zn, and the contents of Co, Cu, and Pb were comparable to
those in workable ores. The metal reduction in MIBA after cultivation was limited.

The results indicate that to promote phytoextraction on MIBA, the material itself
should be refined, but also the choice of plants is important. Perennials with roots that
efficiently penetrate the compact MIBA material, e.g., members of the salix family, are
theoretically suitable. This initial study shows that cultivation in and phytoextraction on
MIBA is possible, but further research is needed.
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Abstract: Lead (Pb) is one of the most common metal pollutants in soil, and phytoextraction is
a sustainable and cost-effective way to remove it. The purpose of this work was to develop a
phytoextraction strategy able to efficiently remove Pb from the soil of a decommissioned fuel depot
located in Italy by the combined use of EDTA and endophytic bacteria isolated from indigenous
plants. A total of 12 endophytic strains from three native species (Lotus cornicolatus, Sonchus tenerrimus,
Bromus sterilis) were isolated and selected to prepare a microbial consortium used to inoculate
microcosms of Brassica juncea and Helianthus annuus. As for B. juncea, experimental data showed that
treatment with microbial inoculum alone was the most effective in improving Pb phytoextraction in
shoots (up to 25 times more than the control). In H. annuus, on the other hand, the most effective
treatment was the combined treatment (EDTA and inoculum) with up to three times more Pb uptake
values. These results, also validated by the metagenomic analysis, confirm that plant-microbe
interaction is a crucial key point in phytoremediation.

Keywords: soil remediation; phytoextraction; mobilizing agents; microbial endophytes; lead pollution

1. Introduction

The overture of remediation of polluted soils for sustainable innovation is one of the
critical steps in addressing current global environmental issues.

Nowadays, several physicochemical and biological solutions have been developed for
the recovery of contaminated water [1–3] and soils [4,5], making the optimal selection a
problematic yet crucial step for the success of the reclamation [6,7].

However, remediation activities also have an environmental impact since they often
use chemical products or processes, with consequent consumption of raw materials and
energy that could compromise the sustainability of the approach or even invalidate its
beneficial aspects [8].

In the light of this, environmentally unsound technologies for the remediation of heavy
metal contaminated soils (chemical extraction, chemical oxidation, stabilization/solidification,
solvent extraction, etc.) should be replaced by green and sustainable technologies. The
aim of the latter is not only to eliminate or reduce contamination but also to minimize the
environmental impact (reduction of air emissions, minimization of energy use, decrease
of waste, etc.) and create synergies between different sectors and activities (ecosystems
protection, circular economy, climate change and resilience). Concerning this, sustainable
phytomanagement can make a significant contribution to supporting this transition towards
sustainable remediation.
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Remediation technologies based on the new natural-based solution (NBS) approach
enable the achievement of the goals established by current environmental policies to protect
natural resources [9]. Among the NBS remediation measures, a growing focus is on phy-
toremediation [10–12], which is the set of remediation technologies with plants as the main
actors to remediate organic and inorganic contaminants in soil and other environmental
matrices (sediments, water). The interest in these phytotechnologies has increased over
time, given some significant advantages in terms of low cost, simplicity of operation and
environmental benefits, as highlighted by some recent LCA-based studies [13,14]. In addi-
tion, the combined use with other solutions to further increase the overall sustainability is
under investigation [15].

Among the different phytoremediation technologies, phytoextraction is considered a
non-invasive technique to remove heavy metals from contaminated soil in an environmen-
tally friendly and economical way [16,17]. In phytoextraction, metals are absorbed by roots
from the soil solution and then transferred and accumulated in various tissues of the plant.
Traditional phytoextraction requires hyperaccumulating species able to accumulate high
amounts of metal without suffering physiological damage. However, these species exhibit
low biomass production and slow growth rate, making phytoextraction a slow process
with long implementation times [17,18].

Several studies have focused on improving phytoremediation efficiency using fast-
growing, high biomass tolerant species, and the aid of chelating agents for increased metal
uptake from the soil. The main chelating agents include ethylenediaminetetraacetic acid
(EDTA), diethylenetriamine pentaacetate (DTPA), ethylene glycol tetraacetic acid (EGTA),
hydroxyethyliminodiacetic acid (HEIDA), and ethylenediamine disuccinic acid (EDDS).
These compounds can accelerate the release of heavy metals bound to soil particles into
the soil solution, thus increasing the phytoavailable metal fraction [19]. Indeed, the only
metals that plants can absorb are those in bioavailable form, i.e., present in soluble forms
in the soil solution [20,21].

Among the various assisted-phytoextraction approaches to maximize the technique’s
effectiveness, an exciting alternative is the use of plant growth-promoting rhizobacteria
(PGPR) [22]. This strategy involves rhizobacteria that can stimulate plant growth by both
facilitating the bioavailability of soil nutrients and modulating the production of phytohor-
mones (including auxins, cytokines, gibberellic acid, 1-aminocyclopropane-1-carboxylate
deaminase—ACCD) and modulating plant hormone levels [22,23]. In addition, through
microbial processes active in the rhizosphere, PGPR can also promote the mobility and
bioavailability of metals in the soil, increasing their uptake by plants [23,24].

This work aimed to investigate the single and synergistic effect of PGPR and EDTA
on the growth and Pb uptake in two tolerant species, Brassica juncea L. (Indian mustard)
and Helianthus annuus L. (sunflower), to evaluate the phytoremediation potential of a
Pb-contaminated site.

The selection of bacterial strains capable of improving the efficiency of phytoreme-
diation is a fundamental step. In this study, the addition of a microbial consortium with
indigenous endophytic bacteria allowed detectable levels of phytoextraction to be obtained
even without the addition of mobilizing chemical agents.

2. Materials and Methods

2.1. Site Description and Soil Sampling

The contaminated site under investigation is located in an area of 40,000 m2 near
an urban area in Italy, previously affected for many years by a deposit for the storage of
industrial wastes, active until the beginning of the 90s.

Being adjacent to a pond and at a distance of about 1 km from the sea, the site is
characterized by sediments of marine and alluvial origin (silts, clayey silts, fluvio-lacustrine
and marshy clays, arenaceous and conglomeratic, as well as alluvial deposits) and by a
superficial layer (4–5 m depth) mainly composed of homogeneous artificial backfill soils of
clayey, silty sand nature.
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Previous chemical analyses performed on the soil of the area under examination
revealed a relevant Pb contamination, which exceeded the contamination threshold con-
centrations (CSC) established by the Italian regulation (D.Lgs 152/2006) for sites intended
for industrial use (1000 mg kg−1) [25]. The highest Pb concentration found in the area was
approximately 2200 mg kg−1.

For the soil sampling to be addressed for the laboratory activities, 6 sampling points
(SP1 to SP6) were chosen within the site. The selection was based on the geological and
morphological characteristics of the soils and favoring the points where previous analytical
campaigns had already detected the presence of Pb.

Approximately 50 kg of soil was collected from each sampling point with an excavator
to a maximum depth of 2.5 m.

The soil samples were sieved at 2 cm on-site and then transported in special containers
to the laboratories for the soil characterization analysis. Based on the results of characteri-
zation, which showed that the soil samples were homogeneous, a single soil sample was
prepared for the phytoextraction tests, obtained by mixing the soil aliquots (~20 kg) from
each soil sample. On this soil (Pb-soil), the determination of the total and bioavailable lead
content was performed again.

2.2. Soil Characterization and Pb Analysis

The soil samples were air-dried, ground, and sieved (0–2 mm) before analysis. The
physicochemical characteristics of the soil were determined following the procedures
reported in Methods of soil analysis [26]. Soil pH and electrical conductivity (EC) were
determined by glass electrodes with a soil/water ratio of 1:2.5 and 1:2, respectively. The
cation exchange capacity (CEC) was measured by exchange with barium acetate (pH 8.1)
and titration with EDTA (0.05 N). Particle size distribution (sand, silt, and clay) was
evaluated by the pipette method [27].

For the determination of total Pb content, soil samples were digested in a mixture
of HNO3 (65%, v/v) and H2O2 (30%, v/v) using a microwave oven (FKV-ETHOS 900),
according to EPA method 3051-A [28].

Potentially bioavailable concentrations of Pb in soil were determined according to
an extraction procedure that sequentially involves the use of H2O (to extract soluble Pb),
KNO3 1 M (to extract exchangeable Pb), and EDTA 1% (to extract Pb retained with bonds
also of covalent nature) with a soil/extractant ratio of 1:5 and extraction time 5 h [29,30].

EDTA was selected because it is one of the most effective mobilizing agents for Pb and
can be applied effectively in various soil types [31–33].

A single extraction with EDTA was also performed. The concentration selected was
2 mM, frequently used in phytoextraction tests [15,31,34]. Higher concentrations of EDTA
would mobilize excessive quantities of metal, which could give rise to leaching phenomena
towards the aquifer [18,19,35].

The extraction was carried out by shaking the soil and extractant (ratio of 1:5) for 2 h.
All extracts were centrifuged at 15,000 rpm for 15 min and filtered.

All analyses were performed in triplicate, and the mean value was recorded.

2.3. Microcosm Experimental Design

To study the role of bacterial inocula on phytoremediation processes, alone or in
combination with the EDTA mobilizing agent, a microcosm experimental campaign
was performed.

Each microcosm was prepared by adding 300 g of Pb-soil and sowing B. juncea var.
Scala or H. annuus var. Paola, at doses of 0.5 g and 5 seeds per pot, respectively.

The experimentation lasted about 30 days and was conducted in a growth chamber
(CCL300BH-AS S.p.A., Perugia, Italy). The growth conditions were the following: pho-
toperiod of 14 h light at 25 ◦C and 10 h dark at 19 ◦C, photosynthetic photon flux density
(PPFD) of 200 μmol m−2 s−1, and relative humidity 65%.
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The experiment consisted of the following treatments: Pb-soil treated with 108 CFU
(Colony-Forming Unit) per gram of soil of bacterial consortium SG_1 (PGPR) prepared as
described in Section 2.6, Pb-soil treated with PGPR and EDTA 2 mM (PGPR + EDTA), and
Pb-soil without any treatment (CT, control).

The study design consisted of a completely random design with three replicates
per treatment. Bacterial inocula were added approximately 9 days after planting. EDTA
addition was carried out after approximately 15 days, splitting the total dose over 5 days
to avoid possible Pb toxic effects on plant growth resulting from rapid release and high
metal mobilization [36].

Pots were thoroughly watered with tap water at field capacity, maintaining this
condition throughout the experiment without fertilizer addition.

Plants were harvested 15 days after the addition of EDTA. Plant organs (roots and
shoots) were washed with deionized water and then dried at 40 ◦C to constant weight
to determine their Pb content. Roots were further treated in an ultrasonic bath (Branson
Sonifier 250 ultrasonic processor, Branson Ultrasonic Corporation, Brookfield, CT, USA) to
remove any residual soil.

Dried plant tissues were weighed, dry weight (DW) recorded, and powdered. Total
Pb content was determined in the dried vegetal samples after overnight acid pre-digestion
with HNO3 (65%, v/v) and H2O2 (30%, v/v) according to US-EPA 3052 [37]. Quantification
of Pb in soil, extract, and vegetal samples was performed by inductively coupled plasma
optical emission spectroscopy (ICP-OES) Liberty AX, Varian.

2.4. Test of Phytotoxicity

Soil toxicity was assessed by a phytotoxicity screening test based on germination
inhibition and root extension.

The assay was performed in a Petri dish (10 cm diameter) filled with 10 g of Pb-soil
moistened with deionized water to saturation, over which was placed a Whatman #1 filter
and 10 seeds of Lepidium sativum L. [38]. L. sativum is a biological indicator of soil toxicity
screening highly sensitive to phytotoxic compounds.

Hydrated quartz sand was used as a negative control. Five replicates were performed
for each soil (Pb-soil and negative control). The closed Petri dishes were placed in a
germination chamber in the dark at 25 ± 1 ◦C. After 72 h, the number of germinated
seeds was counted, and the root length was measured. The germination index (GI%) and
the radical extension inhibition (Inh%) were estimated by combining the values of seed
germination and root elongation:

GI% =
Gs ∗ Ls

Gc ∗ Lc
∗ 100 (1)

Inh% =
Lc − Ls

Lc
∗ 100 (2)

Gs and Gc are the average numbers of seeds germinated in the contaminated soil
samples and in the negative control, respectively. Ls and Lc are the radical lengths (mm) for
the contaminated soil sample and negative control, respectively.

2.5. Endophyte Isolation

The contaminated site is rich in spontaneous species that have developed on the
reported soil, most of which were probably already present as seed banks in the fill
soil. The prevalent herbaceous vegetation has the homogeneous characteristics of the
surrounding area.

For this reason, endophytic bacteria were isolated and characterized from three of the
most commonly represented spontaneous species: Lotus cornicolatus, Sonchus tenerrimus,
and Bromus sterilis. The soil around the roots was removed by repeatedly rinsing with tap
water. To sterilize the root surface, they were treated with 70% EtOH for 5 min, with NaClO
for 2 min and again 70% EtOH for another 5 min. They were then thoroughly rinsed at
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least three times with sterile H2O. The roots, finely chopped with a sterile scalpel, were
placed in sterile flasks containing TYEG (Trypticase Yeast Extract Glucose) medium and
incubated for 16 h at 30 ◦C. Serial dilutions (10-4, 10-6, 10-8) of the obtained suspension
were prepared, and 100 μL of each dilution (in triplicate) was spread over R2A Agar
(Merck®) plates. Then 100 μL of the third rinsing water was plated to confirm the efficiency
of sterilization. Endophyte colonies appeared after 4–5 days.

About twenty phenotypically different colonies for each root type were isolated
and pure cultures were used for DNA extraction and taxonomic classification as already
described in Franchi et al. [23].

2.6. PGPR Characterization

Endophytes isolated were subjected to a series of in vitro assays to assess their plant
growth-promoting potential. The production of auxin indole-3-acetic acid (IAA) was
estimated following the method proposed by Shahab et al. [39], siderophore molecules
release was determined as described by Milagres et al. [40]. Their ability to solubilize
mineral phosphorus (P) was determined by growing the strains in NBRIP (National Botanic
Research Institute’s Phosphate) according to the protocol developed by Nautiyal [41].
Production of exopolysaccharide (EPS) was estimated using a modified Weaver mineral
medium enriched with sucrose [42]. Proteolytic activity was determined as described by
Nielsen and Sørensen [43]. The production of ammonia was determined in peptone water
(5 g L−1 peptone and 5% NaCl, pH 7.2), following the method proposed by Kifle and
Laing [44].

The isolated strains were also tested for their capacity to form biofilm in vitro, inoculat-
ing them in glass tubes with 7 mL of LB (Luria Broth) medium. The tubes were incubated at
30 ◦C for 7 days without agitation. The formation of a visible layer (pellicle) at the interface
between medium and air indicated a potential capability to produce biofilms. The potential
capacity to fix atmospheric nitrogen was evaluated by growing the isolates with a specific
nitrogen-free medium (NFb) [45]. The strains that showed at least three growth-promoting
properties were selected. With the 12 potentially most promising (Figure 1), a microbial
consortium (SG_1) was prepared in the form of lyophilizate and was then used as an
inoculum in the phytoremediation tests.

 

Figure 1. The 12 selected endophytes are listed. In vitro, PGP properties and Genbank Accession number are shown. The
+ sign indicates the presence of the PGP property, the − sign its absence. Each strain was assigned a score calculated
considering the number of PGP properties displayed.

2.7. Next-Generation Ion Torrent Sequencing (NGS)

An amount of 3 ng of the genomic DNA, obtained by extraction of 500 mg of soil
samples and about 200 mg of roots samples through the Fast DNA® Spin Kit for Soil
(MP Biomedicals, Irvine, CA, USA) and quantified by Qubit® 2.0 fluorometer (Invitrogen,
Waltham, MA, USA), was amplified using the 16S Metagenomics Kit (Thermo Fischer
Scientific, Waltham, MA, USA).
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The amplification program was set up as follows: 95 ◦C for 10 min, followed by
25 cycles at 95 ◦C per 30 s, 58 ◦C for 30 s, and 72 ◦C for 20 s, a final hold time for 7 min at
72 ◦C and a cooling step at 4 ◦C.

The subsequent purification of the amplicons, the preparation, and the sequencing of
the libraries followed the protocols for the Ion OneTouch™ 2 System, the Ion OneTouch™
ES, and the Ion PGM™, respectively, as previously described in Conte et al. [46].

The run was based on the workflow Metagenomics 16S w1.1 handling the Database
Curated microSEQ®16 S and the reference Library 2013.1. The primers detected both ends
to obtain 250 base pairs sequences. Alignment in Torrent SuiteTM Software (version 5.8) was
performed using the Torrent Mapping Alignment Program (TMAP). The sequences that
occurred only once in the entire dataset were removed, and the representative sequences
were defined with a 97% similarity cut-off.

After classifying the Operational Taxonomic Unit (OTU) representative sequences, the
output was elaborated to obtain a relative abundance (%) of each OTU in the total amounts
of the entire sample.

2.8. Quality Assurance and Quality Control

Quality assurance and quality control were performed by testing two standard so-
lutions (0.5 and 2 mg L−1) for every 10 samples. CRM ERM—CC141 for soil and CRM
ERM—CD281 for plants were used as certified reference materials. The values obtained
for Pb were 31.8 ± 1.2 mg kg−1 for CRM ERM—CC 141 and 1.69 ± 0.20 mg kg−1 for
CRM ERM—CD281, in agreement with the certified values of 32.2 ± 1.4 mg kg−1 and
1.67 ± 0.11 mg kg−1, respectively.

The detection limit for Pb was 5 μg L−1, and the recovery of samples with spikes (5%)
ranged from 93% to 101% with a relative standard deviation (RSD) of 1.92% of the mean.

2.9. Statistical Analysis

Data referred to the phytoextraction test are reported as the mean of three replicate
microcosms, and analyses were performed in triplicate, recording the mean value ± stan-
dard deviation (±SD). Data statistical analyses were performed using Statistica version
6.0 (StatSoft, Inc., Tulsa, OK, USA). Treatment effects were analyzed using a one-way
analysis of variance (ANOVA, San Francisco, CA, USA). Differences between means were
compared, and a post hoc analysis of variance was performed using Tukey’s honestly
significant difference test (p < 0.05).

3. Results

3.1. Soil Analysis

Based on the data (Table 1), the soil samples under study (SP1-SP6) were homogeneous
with each other, with a CEC in the range of 16–20 Cmol(+) kg−1 and an alkaline pH
(~8.3 pH), which suggested a low Pb availability. Soil texture was also rather similar
among the soil samples, with a predominance of the sandy fraction. The high conductivity
values (on average 585 ± 54.5 μS cm−1) raised a particular concern initially due to possible
effects on plant growth, which may have a different sensitivity to soil salinity. However,
during the phytoextraction test, no growth problems due to the high salt content in the soil
were observed.

Table 1. Chemical properties in individual samples collected at the site under investigation (SP1-SP6).
Values are reported as mean (n = 3) ± SD.

SP1 SP2 SP3 SP4 SP5 SP6

pH 8.22 ± 0.1 8.44 ± 0.2 8.42 ± 0.1 8.51 ± 0.2 8.38 ± 0.1 8.12 ± 0.1
EC (μS cm−1) 596 ± 12 644 ± 10 548 ± 13 621 ± 8.5 495 ± 11 607 ± 6.1

Clay (%) 14.4 ± 0.2 8.74 ± 0.2 12.9 ± 0.4 9.78 ± 0.3 10.2 ± 1.0 13.1 ± 1.1
Silt (%) 18.5 ± 1.5 13.2 ± 0.9 17.4 ± 1.4 15.6 ± 1.1 16.2 ± 0.9 14.8 ± 1.3

Sand (%) 67.1 ± 1.1 78.1 ± 0.1 70.1 ± 0.3 67.8 ± 1.3 71.5 ± 0.4 72.3 ± 0.5
CEC (Cmol(+) kg−1) 18.7 ± 0.2 18.7 ± 1.2 20.5 ± 0.4 17.5 ± 1.2 16.2 ± 0.8 19.4 ± 0.5
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Therefore, the homogeneity of the main characteristics of the sampled soils allowed
the composition of a single sample of contaminated soil (Pb-soil) on which to perform the
phytoextraction tests.

As reported in Table 2, the soils had significant amounts of Pb, with a mean value
between samples SP1-SP6 of 108 ± 3.45 mg kg−1. The total Pb content in the Pb-soil was
in the range of values found in the original samples. These values are higher than the
limit of the values for public, private, and residential green use, established by the Italian
legislation [25], thus implying a potential environmental risk.

Table 2. Pb content (mg kg−1) in individual samples collected at the site under investigation (SP1-SP6)
and in the Pb-soil composite sample. Values are reported as mean (n = 3) ± SD.

SP1 SP2 SP3 SP4 SP5 SP6 Pb-Soil

Total 106 ± 2.2 112 ± 8.1 106 ± 3.5 111 ± 6.9 107 ± 6.1 137 ± 3.5 112 ± 4.8
H2O bdl bdl bdl bdl bdl bdl bdl

KNO3 1 M 1.30 ± 0.2 0.77 ± 0.1 1.70 ± 0.6 0.92 ± 0.3 1.34 ± 0.6 1.04 ± 0.1 1.15 ± 0.2
EDTA 1% 21.5 ± 2.3 21.4 ± 3.1 20.3 ± 2.0 20.5 ± 1.9 20.6 ± 2.5 20.9 ± 1.7 20.8 ± 2.8

EDTA 2 mM 6.89 ± 1.8 7.27 ± 0.9 7.66 ± 1.3 6.55 ± 1.3 7.47 ± 1.1 7.72 ± 2.4 7.68 ± 2.1
bdl: below detection limit.

The sequential extraction procedure (SEP), which allowed the evaluation of potentially
phytoavailable Pb samples, showed that most of the Pb was in a form not available for
uptake by plants (Table 2). The Pb amounts solubilized by H2O and KNO3 were negligible,
amounting to about 1% of the total Pb concentration. The results are ascribable to the basic
pH of the soil, whereas the amount extractable in EDTA 1% was about 20%. Also, the
extraction with 2 mM EDTA significantly increased the Pb phytoavailability, extracting on
average 6.7% of total Pb.

3.2. Phytotoxicity Test

The phytotoxicity test was considered as a preliminary investigation to assess plant
growth to provide supporting information for further investigations performed in this study.

GI% and Inh% data for Pb-soil, 85 ± 10.8% and 14 ± 10.5%, respectively, suggest
the lack of adverse conditions for plant growth. High GI% and low Inh% values indicate
reduced phytotoxicity and good quality of the contaminated soil.

The results confirmed the low values of Pb bioavailability, which did not cause sig-
nificant toxic effects in the species used. Moreover, thanks to the phytotoxicity test, it was
possible to verify that the high values of EC did not affect the plant germination.

3.3. Effect of PGPR and EDTA on Plant Growth and Pb Phytoextraction Efficiency

Small-scale phytoremediation experiments, performed under controlled conditions
(microcosm), are essential for evaluating both the species performance and the effectiveness
of treatments to be used.

Therefore, the first parameter to be analyzed is biomass, which provides information
about plant growth under stress conditions.

B. juncea and H. annuus species showed no visible toxic symptoms during growth in
the Pb-contaminated soil, even after applying the different treatments.

The results presented in Figure 2 indicate some significant differences in dry biomass
of roots and shoots between treatments in the two species.

PGPR utilization positively affected the growth of both species, both when applied
alone and in combination with EDTA.

In particular, the aerial biomass of H. annuus increased by 13.4% and 11.5% com-
pared to the control when PGPRs were applied individually and combined with EDTA,
respectively. In contrast, a relevant effect (36.5%) on B. juncea can be observed only in the
combined treatment (Figure 2B). As for the roots, PGPR did not significantly influence both
species’ biomass production, except for the combined treatment PGPR + EDTA on B. juncea
(Figure 2A).
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Figure 2. (A) Root and (B) shoot dry weight (mg pot−1) of B. juncea and H. annuus grown on Pb-soil control (CT) and Pb-soil
treated with, PGPR, and PGPR + EDTA. The values are the mean of three replicates, and the error bars show ± standard
deviation. Values with different letters are significantly different at the 5% probability level (Tukey’s test).

Under the experimental conditions investigated, and it is worth highlighting this, both
B. juncea and H. annuus well tolerated the amounts of Pb released by EDTA.

The absence of adverse effects of EDTA on plant growth could be attributed to its
ability to chelate Pb, which prevents binding between the metal and cellular components,
neutralizing cytological impacts [47,48].

Pb concentrations in roots and shoots of B. juncea and H. annuus are presented in
Table 3.

Table 3. Effect of PGPR and PGPR + EDTA treatment on Pb concentration in root and shoot of
B. juncea and H. annuus grown on Pb-soil. The values are the mean of three replicates, and the error
bars show ± standard deviation. The different letters within the same column represent different
significance levels at p < 0.05 (Tukey’s test).

Treatment
B. juncea H. annuus

Root Shoot Root Shoot

CT 1.33 ± 0.51 a 0.20 ± 0.05 a 2.14 ± 0.58 a 1.34 ± 0.25 a
PGPR 55.8 ± 4.89 c 4.82 ± 0.77 c 19.0 ± 3.46 b 1.14 ± 0.13 a

PGPR + EDTA 52.3 ± 4.74 c 2.04 ± 0.54 b 42.0 ± 5.10 c 3.46 ± 0.69 c

As suggested by SEP, which did not reveal significant amounts of metal in an immedi-
ately bioavailable form, the lowest amounts of Pb were found in the control plants of both
species. These minimal concentrations could be due to the radical exudates promoting the
Pb solubilization.

The application of EDTA improved Pb uptake in both species with respect to the
control. Indeed, significant increases in Pb concentration in the soil solution due to the
EDTA addition, as indicated by the soil bioavailability results, resulted in substantial
increases in Pb concentrations in the roots and shoots of both plants.

However, concerning B. juncea, the highest Pb concentrations were found in the roots
and shoots of plants treated with only PGPR. The shoots of B. juncea treated exclusively with
PGPR had approximately 24 times more Pb than control shoots. The PGPR + EDTA com-
bined treatment mainly affected B. juncea roots, which showed Pb values not significantly
different from plants treated with PGPR alone treatment. In contrast, the PGPR + EDTA
combined treatment did not increase Pb amounts in B. juncea shoots.

In H. annuus, the highest Pb concentration was found in the roots and shoots of the
plants treated with PGPR + EDTA.

The phytoextraction efficiency is the relation between the metal concentration in
the plants and the biomass produced by evaluating the total accumulation (total uptake),
obtained by multiplying the Pb concentration in plant tissues by the corresponding biomass
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produced. The effects of the treatments on Pb total uptake in B. juncea and H. annuus are
illustrated in Figure 3.

 
(A) (B) 

Figure 3. Effect of PGPR and PGPR + EDTA treatment on Pb uptake by (A) root and (B) shoot of B. juncea and H. annuus
grown on Pb-soil. The values are the mean of three replicates, and the error bars show ± standard deviation. Values with
different letters are significantly different at the 5% probability level (Tukey’s test).

Our results indicated that treatment with PGPR, alone or in combination with EDTA,
effectively improved Pb phytoextraction by B. juncea and H. annuus.

In B. juncea roots, the combined treatment PGPR + EDTA increased Pb accumulation
by about 58 times compared to the control. Concerning B. juncea shoots, the highest Pb
accumulation was observed in plants treated with only PGPR.

In contrast, in H. annuus, the highest Pb accumulation in shoots and roots was at-
tributable exclusively to the PGPR + EDTA treatment. However, bacterial inocula alone
increased the H. annuus root biomass to the levels of the combined treatment, without
showing a significant difference.

3.4. NGS Analysis Results

The bacterial communities (Figure 4) were mainly constituted by the family Pseudo-
monadaceae (maximum value of 51% in the sample 1 R), followed by the families Cau-
lobacteraceae (maximum value of 30% in the sample 6 R), Xanthomonadanceae (maxi-mum
value of 18% in the sample 6 R) and Sphingomonadaceae (maximum value of 15% in the
sample 3S). These bacteria are often correlated to hydrocarbon and metal contamina-
tion [49,50]. Considering the known PGPR strains [51] found in these communities and
mainly related to Pb tolerance, the Pseudomonadaceae and Bacillaceae were isolated in the
site and used for the inoculum. Pseudomonadaceae maintained a constant abundance in
all the samples, while the abundance of Bacillaceae seemed to be affected by the inoculum,
with values from 2% (both Controls) to 8% (sample 2S: PGPR B. juncea) and to 5–10% (re-
spectively, in samples 5S: PGPR in B. juncea and 6S: EDTA + PGPR in H. annuus). Moreover,
this family can be found only in the soil samples. Similarly, the family Rhodospirillaceae,
mainly represented by the genus Azospirillum sp., can be found, even if only with low rela-
tive abundance (maximum value 2%), in the samples belonging to B. juncea. Continuing to
consider PGPR families, also known for their tolerance to Pb, there is a slight increase of the
Alcaligenaceae in the sample’s roots in the treatment added with the inoculum. In detail,
these families increase their relative abundance from 0% to 2% in sample 3 R (i.e., PGPR in
B. juncea) and from 0% to 1–2%, respectively in the samples 5 R (i.e., PGPR in H. annuus)
and 6 R (i.e., EDTA + PGPR in H. annuus). The Enterobacteraceae represents another family
of interest showing its increase in the root samples treated with the mobilizing agent EDTA
in the presence of both B. juncea and H. annuus (i.e., increase from 0% to 4% in sample 2 R:
EDTA with B. juncea and increase from 14% to 27% in sample 6 R: EDTA with H. annuus).
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Figure 4. NGS Ion Torrent analysis of all the samples divided by the B. juncea (i.e., samples 1–3) and H. annuus (i.e., samples
5–8). The numbers represent the different treatments applied (i.e., Controls: 1 and 4; PGPR: 2 and 5; EDTA + PGPR: 3 and 6),
and S stands for Soils and R for Roots. Sample 2 R was not included due to the low quality of the data required. Due to the
high number of results obtained, the calculations, at the family level, were carried on by setting a cut-off < 2%.

Expanding the attention to other PGPR families, not known for their Pb tolerance, it
can be observed that both the families Flavobacteriaceae and Nocardioacea were mainly
represented in the microcosms with H. annuus; the first one with higher values in the root
samples, while the Nocardioacea was present almost exclusively in soil samples.

4. Discussion

Among soil contaminants, Pb is of particular concern due to its ability to biomagnify
through the food chain, threatening food safety [47]. Lead is highly toxic for most plants,
causing severe physiological damage [52]. However, some plant species have proven
to be particularly resistant to lead toxicity and are widely used in the phytoremediation
of Pb-contaminated soils [31,47]. The plant species tested in this experiment showed a
growth capacity not affected by lead contamination. The reason for the selection of these
two species is twofold: in addition to their satisfactory performances, as shown in other
studies on Pb phytoremediation [53–57], they have recently been recognized as energy crop
species, capable of providing a high level of biomass that can be reused in the bioenergy
field [58–61].
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This last aspect is currently very relevant as it allows further support for phytoremedi-
ation both in economic and sustainability terms.

The phytoextraction of Pb-contaminated soils with EDTA has been extensively studied.
The results obtained in our study are in agreement with previous works that have shown
how the addition of this complexing agent was recognized as an effective technique to
increase Pb absorption by plants [31,47,62,63].

Although several studies have reported that EDTA can promote plant growth in
metal-polluted soils by stimulating auxin production and aiding nutrient translocation
in plants [33,64,65], the rapid release of bioavailable metal in a short period could cause
harmful transient plant phytotoxicity. In this regard, a good strategy for phytoremediation
of Pb-contaminated sites could be the combined use of PGPRs and EDTA to simultaneously
improve metal bioavailability in soil and plant growth under metal stress.

The stress caused in plants by the presence of heavy metals triggers complex phys-
iological and molecular mechanisms. Among these, the production of radical exudates
containing, e.g., low-molecular-weight organic acids (LMWOAs) that stimulate microbial
growth of the rhizosphere and solubilize essential trace elements such as insoluble or
poorly soluble (e.g., phosphorus, iron and zinc), can complex some metals such as arsenic,
cadmium and lead [66].

Most metals are present in the soil in the form of insoluble and non-bioavailable salts.
Chemical compounds such as EDTA, dipotassium phosphate or ammonium sulfate can
separate metals from complexes bound to soil particles, favoring the absorption by the
plants’ roots.

PGPRs can increase the bioavailability of metals by producing microbial metabolites
and siderophore molecules. Many studies show that adding chelating agents (such as
EDTA) would further improve plant growth and metal uptake when combined with PGPR
inoculation [67,68].

In this work, we have shown that the simple addition of the microbial inoculum
(PGPR) led in B. juncea to a significant increase in the absorption of lead in the aerial part.
A similar result was also shown in the work of He et al. [69], where the inoculation of
two Bacillus strains, isolated from the soil, improved the rhizosphere soil environment
promoting absorption of Pb by plants, enhancing the dry weight of shoots of plants growing
in Pb-contaminated soil, and significantly increasing the total Pb content in aerial parts.

The possibility of avoiding the addition of chemical compounds to increase the
bioavailability of the metals is undoubtedly a fascinating aspect that significantly increases
the sustainability of phytoremediation.

New experiments with different plant species and endophytes isolated from metal
contaminated soils are underway.

5. Conclusions

Heavy metal contamination is an important aspect of environmental pollution, and
phytoextraction is one of the most effective technologies in removing many metal species,
including radionuclides.

In these contamination cases, the selection of remediation technology should be
directed towards the application of phytoremediation if it is to be sustainable.

The interaction between plants and microorganisms creates a fascinating ecosystem
that can lead to encouraging results. As highlighted in this study, the microbial inoculation
of endophytic bacteria isolated from the roots of spontaneous plants grown on the Pb-
contaminated soil allowed a significant percentage of metal phytoextraction to be obtained
without chemical mobilizers.

Case studies showing positive results of assisted phytoextraction only with the sup-
port of PGPRs are limited, and research in this field must undoubtedly be supported
and encouraged.
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Abstract: The effect of a municipal solid waste compost (MSWC), added at 1 and 2% rates, on the
mobility, phytotoxicity, and bioavailability of antimony (Sb) was investigated in two soils (SA: acidic
soil; SB: alkaline soil), spiked with two Sb concentrations (100 and 1000 mg kg−1). The impact of
MSWC on microbial activity and biochemical functioning within the Sb-polluted soils was also
considered. MSWC addition reduced water-soluble Sb and favored an increase in residual Sb (e.g., by
1.45- and 1.14-fold in SA-100 and SA-1000 treated with 2% MSWC, respectively). Significant increases
in dehydrogenase activity were recorded in both the amended soils, as well as a clear positive effect of
MSWC on the metabolic activity and catabolic diversity of respective microbial communities. MSWC
alleviated Sb phytotoxicity in triticale plants and decreased Sb uptake by roots. However, increased
Sb translocation from roots to shoots was recorded in the amended soils, according to the compost
rate. Overall, the results obtained indicated that MSWC, particularly at a 2% rate, can be used for the
recovery of Sb-polluted soils. It also emerged that using MSWC in combination with triticale plants
can be an option for the remediation of Sb-polluted soils, by means of assisted phytoextraction.

Keywords: potentially toxic element; gentle remediation options; organic amendments; Sb uptake;
microbial activity

1. Introduction

Antimony (Sb) is an environmentally relevant potentially toxic element (PTE), usually
combined, in alloys, with metals such as lead and zinc [1]. Sb, generally detected as a trace
element in the Earth’s crust (0.2–0.3 g per metric ton) and water (less than 1 μg L−1) [2],
reached worrying levels of contamination in different world areas in the last decades [3].
This has been mainly due to anthropogenic activities, such as mining and the processing
of Sb-containing ores [4]. High Sb levels in soils can also be due to vehicular traffic and
recreational shooting [5–7]. Moreover, Sb is extensively used as a flame retardant in plastics,
and as catalyst in the production of polyesters fibers [8]. As a consequence of its ubiquity
and toxicity (Sb is recognized as carcinogenic and clastogenic agent), Sb is included in
the list of high-priority pollutants by the U.S. Environmental Protection Agency and the
European Union [9,10]. In most natural systems, Sb mainly occurs as reduced (trivalent
Sb(III)) or oxidized (pentavalent Sb(V)) inorganic species [11]. Inorganic compounds of Sb
are more toxic than its organic species, and Sb(III) compounds are predicted to be 10-fold
more toxic than Sb(V) [1]. However, as emphasized by Filella et al. [12], this cannot be
generalized, since toxicity depends on many factors (e.g., the target organism, the route
of exposure, and the presence of other pollutants). Sb oxidation state, its reactivity, and
its potential bioavailability in soil are largely dependent on the pH, redox conditions, and
concentrations of co-occurring reducing and oxidizing agents [13]. Sb(V) is the prevalent
form in aerobic conditions, and mainly occurs as octahedral antimonate ion, Sb(OH)6

−.
This latter form is considered the most stable form, compared to the thermodynamically
unstable Sb(III), which mainly occurs in anoxic conditions, as Sb(OH)3 [1,12,14]. On the
other hand, Sb(V) mobility is greater than Sb(III) in the 5.0–8.5 pH range, due to its negative
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charge (pKa HSb(OH)6 = 2.55; pKa Sb(OH)3 = 11.8) [1,15]. Sb in soil is mostly associated
with Fe, Mn and Al (hydr)oxides and organic matter [16,17], and their occurrence and
abundance in soil seems to control Sb mobility and bioavailability, e.g., [18–20].

As a PTE, Sb can affect soil microbial communities and their functionality, as well as
plant growth [21,22]. Diquattro et al. [21] showed a significant Sb impact on the composition
and general catabolic activity of soil microbial communities, while Yu et al. [23] recorded
reduced carbon mineralization and nitrification in the presence of Sb. Moreover, in situ Sb
immobilization significantly stimulated the growth of Helichrysum italicum [22], indirectly
showing a certain impact of this PTE on plant growth, which, however, was also confirmed
in other studies, e.g., [24–26].

In the search for eco-friendly materials to restore Sb-contaminated soils, and/or to
limit Sb ecotoxicological impact, many organic and inorganic amendments have been
studied. For instance, Garau et al. [22] observed that the addition of a municipal solid
waste compost (MSWC), together with an iron(Fe)-rich water treatment residue (WTR),
favored the chemical and biological recovery of a subalkaline soil that was contaminated
with Sb (~110 mg kg−1 soil). Wang et al. [27] showed that ferrous Fe and nitrate promoted
the formation of Fe plaques in rice, decreasing Sb bioavailability. Teng et al. [28] showed
that Fe-modified rice husk hydrochar was effective at immobilizing Sb in soil, while the
same was shown by Almas et al. [29], using Fe-rich slag in combination with FeSO4.

Despite the existence of substantial literature on effective amendments that are able to
immobilize Sb in soil, very limited and often conflicting information can be found on the
impact of compost on Sb mobility, and its toxicity and availability for plants. Nakamaru
and Peinado [30] observed an increase in Sb availability in contaminated soils that were
amended with compost. Verbeeck et al. [31] observed that the complexation capacity
of dissolved organic matter could increase Sb mobility under different redox conditions.
Lewinska et al. [32] showed that a long incubation time with compost (i.e., 140 d) did not
always lead to Sb immobilization in different shooting range soils. Finally, Clemente [33]
showed that adding greenwaste compost mulch to PTE-contaminated soil increased Sb
mobilization. By contrast, Abou Jaoude et al. [34] showed that compost addition to Sb-
contaminated sub-alkaline soils reduced water-soluble and exchangeable Sb, and increased
its residual (non-extractable) fractions. Likewise, Garau et al. [35] showed that compost
reduced the concentration of labile Sb in soil. Taken together, the results from these studies
highlight the need for further investigations, aimed at clarifying the impact of compost on
Sb-contaminated soils, and its potential use in the remediation of polluted environments. In
particular, in view of a remediation intervention, it would be useful to establish the effects
of compost on soil microbial communities, enzyme activities, plant growth, and Sb uptake
in Sb-contaminated soils, other than establishing its impact on Sb mobility. Accordingly,
the aim of the present study was to evaluate the effect of an MSWC, added at two different
rates, on Sb mobility, phytotoxicity, and bioavailability in two polluted soils, as well as its
impact on soil microbial activity, catabolic diversity, and enzyme activity.

2. Materials and Methods

2.1. Soil and MSWC Origin, Characteristics and Mesocosms Set Up

Different soil samples were randomly collected (0–30 cm depth) from two soils, named
SA (soil A) and SB (soil B), located in North-Western Sardinia (Italy) (soil SA: 40◦56′15.7′′ N
8◦53′30.4′′ E; soil SB: 40◦43′32.77′′ N 8◦24′48.6′′ E). These soils were selected because they
had never been cultivated (they were not treated with agrochemicals), were not close to
Sb-contaminated areas, did not contain Sb (i.e., Sb < 1 mg kg−1), and exhibited different
physical–chemical properties, which were previously reported in detail (Table S1; [21]). In
the laboratory, soil samples were air dried, sieved to <2 mm and pooled together according
to their origin (SA and SB). SA was a loamy coarse sand while SB was a sandy clay loam
soil (USDA classification).

SA and SB soils were then spiked with Sb(V) (i.e., KSb(OH)6; CAS 12208-13-8; Merck)
to obtain soils with medium–low (100 mg kg−1; S-100) or high (1000 mg kg−1; S-1000)
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Sb(V) pollution level as previously reported [21]. Spiked soils were kept at 40% of their
water-holding capacity (WHC) using deionized water and equilibrated for nine months at
25 ◦C. During this period, soils were periodically mixed once a week and maintained at
constant humidity. Afterwards, triplicate mesocosms from each soil type (SA and SB) and
contamination level (S-100 and S-1000) were treated as follows: T0—polluted untreated soil;
T1—polluted soil amended with 1% MSWC; T2—polluted soil amended with 2% MSWC.
A total of thirty-six mesocosms (each consisting of 5 kg soil; 2 soil types × 2 contamination
levels × 3 amendment treatments × 3 reps) were prepared using SA (n = 18) and SB (n = 18)
soils. The MSWC rates were selected based on the specific Sb-immobilizing capabilities
of compost highlighted in previous studies [17,22]. The MSWC was provided by Verde
Vita Srl (Sassari, Italy) and was sieved to <2 mm before addition to mesocosm soils. The
main characteristics of the MSWC were previously reported [17] and resumed in Table S2.
Briefly, the MSWC had sub-alkaline pH (i.e., 7.93) and 27.3% organic matter content (OM);
it had high cation exchange capacity (CEC, 92.3 cmol(+) kg−1), dissolved organic carbon
(DOC, 0.82 mg kg−1) and humic acids content (14.2%). After amendment with MSWC,
soils were carefully mixed, brought to 40% of their WHC and equilibrated for three months
at 25 ◦C. During this period, soils were periodically mixed once a week and maintained at
constant humidity.

2.2. Soil Characterization and Sb Mobility in Treated and Untreated Soils

After the equilibration period, selected physico-chemical properties were determined
in treated and untreated polluted soils (Table 1). The pH, electric conductivity (EC),
total organic carbon (TOC) and nitrogen (TN) were determined for treated and untreated
soils following the national standard guidelines [36]. The DOC content was estimated as
previously described by Brandstetter et al. [37]. The available phosphorus was quantified
following the Olsen method (P Olsen) and the CEC was determined using the BaCl2 and
triethanolamine method [36].

Table 1. Chemical characteristics of Sb-polluted SA and SB soils amended or not (control) with MSWC (dry matter basis).
SA/SB-100 and SA/SB-1000 denote soil type and pollution level, i.e., 100 and 1000 mg Sb kg−1 soil. For each soil type and
Sb pollution level, different letters (e.g., a, b, c) denote statistical differences (Tukey–Kramer, p < 0.05) between treatments.

pH EC (mS m−1) DOC (mg g−1)
CEC

(cmol(+)·kg−1)
P Olsen

(mg kg−1)
TOC (g kg−1) TN (g kg−1)

SA-100 control 5.14 ± 0.59 b 77.7 ± 0.78 c 0.81 ± 0.01 c 10.6 ± 0.35 b 30.5 ± 0.33 b 13.8 ± 0.31 c 0.96 ± 0.12 b

SA-100 + 1% MSWC 6.16 ± 0.09 a 102 ± 0.78 b 1.09 ± 0.03 b 15.2 ± 0.63 a 36.2 ± 0.58 a 17.6 ± 0.03 b 1.36 ± 0.00 a

SA-100 + 2% MSWC 6.65 ± 0.26 a 116 ± 2.26 a 1.17 ± 0.02 a 16.0 ± 0.06 a 35.9 ± 0.56 a 18.8 ± 0.56 a 1.57 ± 0.14 a

SA-1000 control 5.53 ± 0.71 b 71.8 ± 5.30 b 0.82 ± 0.02 c 11.8 ± 0.01 b 30.3 ± 0.39 b 13.5 ± 0.09 c 1.12 ± 0.04 b

SA-1000 + 1% MSWC 6.46 ± 0.06 a 102 ± 1.91 a 1.00 ± 0.03 b 13.3 ± 0.52 a 34.4 ± 0.62 a 16.8 ± 0.34 b 1.24 ± 0.01 a,b

SA-1000 + 2% MSWC 6.98 ± 0.16 a 108 ± 2.83 a 1.09 ± 0.01 a 14.2 ± 0.75 a 33.4 ± 0.22 a 18.5 ± 0.52 a 1.30 ± 0.10 a

SB-100 control 7.84 ± 0.05 a 57.8 ± 1.48 b 0.29 ± 0.00 c 22.4 ± 0.86 b 10.1 ± 0.43 c 12.7 ± 0.20 c 1.06 ± 0.02 c

SB-100 + 1% MSWC 7.93 ± 0.01 a 67.7 ± 3.82 b 0.40 ± 0.01 b 24.0 ± 0.15 a,b 15.9 ± 0.46 b 15.0 ± 0.20 b 1.13 ± 0.01 b

SB-100 + 2% MSWC 7.93 ± 0.00 a 88.9 ± 2.97 a 0.69 ± 0.02 a 26.2 ± 1.05 a 19.4 ± 0.68 a 16.6 ± 0.05 a 1.19 ± 0.01 a

SB-1000 control 7.92 ± 0.04 a 63.0 ± 0.07 c 0.30 ± 0.00 b 23.2 ± 1.83 b 9.73 ± 0.43 c 13.0 ± 0.16 c 1.02 ± 0.00 b

SB-1000 + 1% MSWC 7.94 ± 0.08 a 70.7 ± 2.40 b 0.50 ± 0.01 a 25.2 ± 0.58 a,b 15.6 ± 0.59 b 15.3 ± 0.19 b 1.21 ± 0.01 a

SB-1000 + 2% MSWC 7.97 ± 0.13 a 91.3 ± 0.85 a 0.51 ± 0.01 a 27.2 ± 1.10 a 20.3 ± 0.11 a 16.9 ± 0.22 a 1.22 ± 0.03 a

Total Sb concentration was quantified in all soils after digestion with aqua regia reverse
solution (HNO3/HCl 3:1 ratio) and microwave mineralization (Milestone MLS1200), using
graphite furnace atomic absorption spectroscopy (GFAAS; PerkinElmer AAnalyst 400-
HGA 900, Software AA-WinLab32). A standard reference material (NIST-SRM 2711A) was
included for quality assurance and quality control. The Sb mobility in polluted (amended
and not) SA and SB soils, i.e., its chemical reactivity with the soil matrix, was evaluated
through the sequential extraction procedure proposed by Wenzel et al. [38] with minor
modifications. Briefly, triplicate soil samples (1 g each) from each mesocosm were first
treated with water (25 mL) to estimate water-soluble Sb (step 0, this was the only additional
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step with respect to the original procedure), then they were treated with 25 mL of a 0.05 M
(NH4)2SO4 solution to quantify the readily exchangeable Sb fraction (step 1) and 25 mL of
a 0.05 M (NH4)H2PO4 solution (step 2) to estimate surface-bound Sb, while Sb associated
to amorphous and crystalline Al- and Fe-(hydr)oxides was quantified after extraction with
25 mL of a 0.2 M NH4- oxalate solution at pH 3.25 (step 3) and with 25 mL of a 0.2 M
NH4-oxalate + 0.1 M ascorbic acid solution at pH 3.25 (step 4), respectively. After each step,
soil samples were centrifuged at 3500 rpm for 10 min, filtered using Whatman filter No.
42 to separate the liquid and solid phases, and Sb concentration in the supernatant was
quantified using GFAAS as previously described. A standard reference material (NIST-SRM
2711A) was included for quality assurance and quality control.

2.3. Biolog Community-Level Physiological Profiles and Soil Enzyme Activities in Treated and
Untreated Sb-Polluted Soils

The activity and catabolic diversity of microbial communities inhabiting the different
Sb-polluted soils (amended or not) was investigated using the Biolog community-level
physiological profile (CLPP) approach using Biolog EcoPlates™ (Biolog Inc., Hayward,
CA, USA). In particular, triplicate soil samples (10 g) from each mesocosm were added
with (90 mL) sodium pyrophosphate solution (2 g L−1) and serial ten-fold dilutions were
obtained using 0.89% NaCl solution. The obtained soil suspensions were centrifuged for
5 min at 500 rpm and the clear supernatant was used to inoculate the wells of the Biolog
EcoPlate™ (120 μL per well). The Biolog EcoPlates™ are ready to use 96-well microtiter
plates containing a different carbon source of soil/environmental relevance in each well [39].
A total of 31 different carbon sources and a control well with no carbon (all replicated three
times) were present in each Biolog EcoPlate™ [40]. Inoculated plates were incubated at
28 ◦C for 6 days (144 h) and purple color formation in each well, due to the reduction of a
tetrazolium dye and indicative of C-source catabolism, was recorded daily by measuring
the absorbance at 590 nm (OD590), using an automatic Biolog MicroStation™ reader. All
OD590 data were first blanked against the absorbance at time 0 and further subtracted
from the respective control well (with no carbon source). Finally, they were processed
to obtain a measurement of the potential catabolic activity of the microbial community,
i.e., the average well color development (AWCD). The latter was calculated as follows:
AWCD = [Σ (Ri − C)]/31 where C represents the absorbance value of control well, Ri is
the absorbance of each response well, and 31 is the number of carbon substrates in the
plate [41]. The richness value, or the number of substrates catabolized by each microbial
community, was also determined as the number of wells with OD590 >0.15 [42]. Also,
the Shannon–Weaver diversity index (H’) was used to estimate the catabolic diversity of
microbial communities and calculated as follows:

H = −∑(Pi × ln Pi), where Pi is the ratio between the absorbance value in the blank
subtracted ith well (1 to 31) and the total absorbance values of all wells [43].

All Biolog-derived parameters (AWCD, richness and H’) refer to the 120 h incubation
time as this time point provided the best discrimination between treatments.

Enzymatic activities, such as dehydrogenase (DHG), β-glucosidase (GLU) and urease
(URE), were determined colorimetrically in triplicate soil samples collected from each
mesocosm as described by Alef and Nannipieri [44]. Briefly, the DHG activity was spec-
trophotometrically quantified (OD480 nm) after incubation of soil samples (10 g) with a
triphenyltetrazolium chloride solution and expressed as triphenyl formazan (TPF) formed
per g soil (dry weight basis). GLU activity was determined spectrophotometrically (OD400
nm) after incubation of soil samples (1 g) with p-nitrophenyl glucoside and expressed as
p-nitrophenol released per g soil (dry weight basis). Finally, URE activity was determined
spectrophotometrically (OD690 nm) after incubation of soil samples (5 g) with urea and
expressed as ammonia released per g soil (dry weight basis).

2.4. Sb Phytotoxicity and Bioavailability in Treated and Untreated Sb-Polluted Soils

The influence of MSWC on Sb phytotoxicity was determined using triticale plants
(× Triticosecale Wittm. cv. Universal) grown in treated and untreated Sb-polluted soils.

108



Soil Syst. 2021, 5, 60

This plant species was selected since in previous studies its growth was significantly
affected by the presence of PTE in the growing medium [45–48]. A total of thirty-six pots
each containing 1.5 kg of soil deriving from the different mesocosms were set up, i.e.,
3 replicated pots × 3 amendment treatments (T0, T1, T2) × 2 Sb contamination levels (100
and 1000 mg kg−1) × 1 plant species × 2 soil types (SA and SB). Seven triticale plants were
planted in each pot after their germination in the dark at 25 ◦C. Planted pots were arranged
in a completely randomized design and plants were grown over 8 weeks in a naturally lit
greenhouse under controlled conditions (20–25 ◦C temperature, 60–70% relative humidity).
At harvest, shoots were separated from roots, carefully washed with deionized water and
dried at 55 ◦C for 72 h. Plant growth, i.e., root and shoot dry weight values, was used to
estimate soil Sb phytotoxicity.

Sb bioavailability, i.e., the Sb uptaken by triticale plants, was determined after miner-
alization of roots and shoots with 2 mL suprapure H2O2 and 9 mL of HNO3 and ultrapure
H2O (ratio 1:1), using a Microwave Milestone MLS 1200. The total Sb concentration in
the mineralization solutions was determined using GFAAS as previously reported. Peach
leaves were used as standard reference material (NIST-SRM 1515). The Sb translocation
factor (TFSb) was calculated as the ratio between Sb concentration in shoots and that present
in roots.

2.5. Statistical Analysis

All chemical analyses were performed in triplicate soil samples collected from each
mesocosm and mean values ± standard errors were reported in tables and figures. For each
soil type (SA or SB) and contamination level (100 or 1000 mg·kg−1), the MSWC influence
(T0, T1, T2) on Sb mobility, soil enzyme activities, Biolog-derived parameters, plant growth,
and Sb uptake data was ascertained by one-way analysis of variance followed by a post
hoc Tukey–Kramer test (p < 0.05). Moreover, differences between the above-mentioned
parameters in SA-100 and SB-100, and SA-1000 and SB-1000, were assessed by a Student
t-test (p < 0.05). Pearson correlation between the most labile Sb fraction (i.e., that extracted
in step 0 of SEP) and biochemical, root dry weight, root length and Sb uptake (by roots)
data was also determined. In this regard, the entire dataset from S-100 soils was considered
since SA and SB soils showed comparable concentrations of labile Sb, while data from
SA-1000 and SB-1000 were separately analyzed since labile Sb concentration in these two
soils was very different (Figure 1). In all tests, differences were considered statistically
significant at p < 0.05. All statistical analyses were carried out using the NCSS software
(released 1 June 2011).
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Figure 1. Sb extracted in amended and unamended Sb-polluted SA and SB soils in different SEP steps. Average values
(histograms) and standard errors (bars) are reported. T0, T1 and T2 refer to MSWC addition, i.e., 0, 1 and 2%, respectively.
Step 0: water-soluble Sb; step 1: exchangeable Sb; step 2: inner-sphere complexed Sb; step 3: Sb bound to amorphous
Fe/Al (hydr)oxides; step 4: Sb bound to crystalline Fe/Al (hydr)oxides. For each soil and extraction step, different letters
denote significant differences between treatments (Tukey–Kramer test; p < 0.05). For each extraction step, asterisks denote
significant differences between SA-100 and SB-100, and between SA-1000 and SB-1000 (Student t-test; p < 0.05).

3. Results and Discussion

3.1. Influence of MSWC on Selected Chemical Properties and Sb Mobility in Polluted Soils

The treatment with MSWC caused a significant increase in pH in SA, and a significant
increase in TOC, DOC, CEC, P Olsen, TN, and EC in both soils (Table 1). These results are
in agreement with those reported by several researchers [49–52], and confirm the overall
suitability of MSWC in improving different parameters related to soil fertility. This is
particularly relevant in PTE-contaminated soils, which are often characterized by poor
physico-chemical characteristics, and in which plant growth can be severely limited [53].

Sb mobility in soil after MSWC treatment was essentially evaluated through the
sequential extraction procedure of Wenzel et al. [38], with minor modifications. In particular,
an additional step (i.e., step 0) was added, to evaluate water-soluble Sb in soil. The water-
soluble Sb (step 0) released from S-100-polluted soils was higher in SA than SB (~16 and
9% of total Sb, respectively), and was in accordance with previous findings [21], while
an opposite trend was observed for S-1000 (Figure 1). The addition of MSWC did not
change the water-soluble Sb fraction of SB-100, while a significant reduction was observed
in SA-100 and in both S-1000 soils (i.e., −34, −9, and −47% in SA-100, SB-1000, and SA-
1000, amended with 2% MSWC, respectively). These decreases suggested the occurrence
of stable interactions between MSWC and Sb, which led to a reduction in water-soluble
Sb. This is expected to have substantial positive implications from an ecotoxicological
viewpoint, since water-soluble PTE represent the most biologically impacting fraction of
contaminants (e.g., [34,54,55]). It is also important to underline that the concentration of
water-soluble Sb in both soils was very high, even after MSWC addition (between 9.0 and
94.6 mg kg−1), and it may represent a serious environmental hazard for soil organisms and
other environmental compartments, e.g., surface and groundwater.

This is even more relevant considering that the Sb concentration threshold for Italian
agricultural soils, which refers to total soil Sb, is 10 mg kg−1 [9].
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A different trend was observed for Sb released with (NH4)2SO4 (step 1, i.e., the
relatively labile and exchangeable fraction), which was lower in SA than SB (e.g., ~3.5 and
9.6% of total Sb in SA-1000 and SB-1000, respectively). A limited, yet significant, reduction
in Sb, extracted in step 1, was observed in all the amended soils, especially when 2%
MSWC was applied (Figure 1). Overall, these findings highlighted a poor presence of a
relatively labile and easily exchangeable Sb fraction in soils (note that sulphate can only
exchange anions forming weak electrostatic bonds), and implied the prevalence of specific
(inner-sphere) binding between Sb and soil/MSWC components. This was, in general,
confirmed by the Sb concentrations extracted in step 2 (but also steps 3–4), which quantified
the specifically adsorbed Sb; in this case, MSWC addition significantly increased such Sb
fraction (e.g., by 15 and 28% in SB-1000 and SA-1000, amended with 2% MSWC, compared
to the respective controls) (Figure 1). These results may have important environmental
implications, since the specifically adsorbed Sb can be mobilized (becoming potentially
bioavailable), as a result of a change in pH (e.g., due to plant and/or microbial activity) or
phosphate increase [38].

Most of the soil Sb (~35 and 40% in SB and SA, respectively) was specifically associated
with amorphous and crystalline Al- and/or Fe-(hydr)oxides (steps 3 and 4, respectively;
Figure 1). After MSWC addition, the Sb fraction extracted with step 3 did not vary in SA-
100 and SB-1000, significantly increased in SA-1000, and slightly decreased in SB-100, while
the Sb fraction associated to crystalline Al- and Fe-(hydr)oxides significantly decreased
in most soils (step 4; Figure 1). The Sb released in steps 3–4 is expected to have a limited
impact on soil ecotoxicity, as it mainly represents the Sb involved in stable inner-sphere
bonding with Fe- and/or Al-(hydr)oxides surfaces [38].

The residual Sb fraction was higher in treated and untreated SA soils (especially in
SA-1000) than respective SB ones. This could be ascribed to the lower pH of untreated
SA soil (i.e., 5.14–5.53), which could have promoted the formation of stable precipitates
between Sb(V) and soluble Al or Fe, e.g., FeSbO4 and AlSbO4 [1,21,56–58]. The addition of
MSWC favored an increase in such residual Sb in SB-100 (1.58-fold in 2% MSWC-amended
soil), and in SA-100 and SA-1000 (1.46- and 1.14-fold, respectively, in 2% MSWC-amended
soils). Overall, this is relevant, as residual Sb represents the very insoluble and/or occluded
contaminant fraction, which can hardly be mobilized, and it is therefore expected to have a
negligible impact on soil biota, at least in the medium term [17,22].

Taken together, these results show a substantial stabilizing/immobilizing effect of
MSWC towards Sb, particularly in acidic soil (SA). This may have occurred by means
of different processes, such as the formation of stable complexes between labile Sb and
compost solid phases, such as ternary complexation, in which polyvalent metal cations
(e.g., Fe, Al, and Ca) can act as bridges between the negatively charged functional groups
of MSWC and the antimony oxyacid [18]. The precipitation of Sb, above all, with soluble
Ca (abundantly present within MSWC; 6.3%, Table S2) may also have contributed to the
increase in residual Sb in the treated soils. Additionally, the formation of mono- and di-
ester bonds between Sb(OH)6

− and the hydroxyl functional groups of humic acids within
MSWC could have also contributed to Sb immobilization in the amended soils [17].

In this context, the reduction in most labile Sb fractions in treated soils (steps 0–1)
is expected to have relevant positive effects on soil microbial communities and their
functionality, as well as plant growth. This has been proved for other PTE-contaminated
soils (which, however, did not contain Sb) treated with MSWC [16,59].

3.2. Influence of MSWC on Soil Enzyme Activities in Sb-Polluted Soils

It has been shown that Sb can adversely affect microbial growth and inhibit the activity
of soil enzymes, such as dehydrogenase, urease, arylsulfatase, and β-glucosidase [21,23].
Therefore, monitoring soil enzyme activities can be helpful in the assessment of the ability
of MSWC to alleviate Sb microbial ecotoxicity, and to restore the biological activity and
functionality of polluted soils [22]. DHG activity can provide a good estimate of the overall
oxidative capacity of a soil and, at the same time, it has often been used as an indicator
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of soil microbial abundance and/or activity [59–62]. Overall, DHG activity was higher in
SB soils, and in soils contaminated with the lower Sb rate (i.e., 100 mg kg−1) (Figure 2).
This likely reflected the different size (and possibly also the different community structure)
of microbial communities inhabiting SA and SB soils, which were characterized by very
different chemical properties (Table 1). For instance, the higher pH in SB soils (Table 1) is
likely responsible for the larger bacterial populations and higher DHG values (compared
to SA), as previously reported [21]. Moreover, the lower DHG values in both Sb-1000 soils
(compared to the respective Sb-100 ones) clearly show a higher negative impact of Sb on
soil microbial abundance and/or activity in these soils. Compost addition significantly
increased DHG activity in the contaminated soils, and this increase was proportional to
the rate of MSWC added (e.g., 3.50- and 4.26-fold higher in SB-1000 amended with MSWC
at 1 and 2%, respectively, compared to the unamended control) (Figure 2). This could be
due to the lower amount of labile Sb in the amended soils (i.e., Sb extracted in steps 0–1),
and to the consequently reduced environmental pressure on soil microbial communities,
as previously shown with other PTEs [63,64]. The negative and significant correlation
between the most labile Sb (i.e., the water-soluble one) and soil DHG supports this view
(Table 2). On the other hand, the improved physico-chemical properties of the soils after
compost addition could have contributed to the higher DHG values in the amended soils,
as pointed out in previous studies [53].

Figure 2. Dehydrogenase activity in amended and unamended Sb-polluted SA and SB soils. Average values (histograms)
and standard errors (bars) are reported. T0, T1 and T2 refer to MSWC addition, i.e., 0, 1 and 2%, respectively. For each soil
(SA and SB) and Sb concentration level, different letters denote significant differences between treatments (Tukey–Kramer
test; p < 0.05). Asterisks denote significant differences between SA-100 and SB-100, and between SA-1000 and SB-1000
(Student t-test; p < 0.05).

Table 2. Pearson correlations between the most labile Sb fraction (i.e., Sb extracted in step 0 of SEP), soil biochemical
parameters, root dry weight, root length and Sb uptake by the roots of triticale plants.

Root Dry Weight Root Length Sb Uptakeroot DHG URE GLU AWCD H’ Richness

S-100 −0.62 ** −0.72 *** 0.94 *** −0.55 * −0.61 ** −0.76 *** −0.85 *** −0.92 *** −0.80 ***
S1-1000 −0.85 ** −0.79 * 0.72 * −0.85 ** −0.6 NS −0.43 NS −0.67 * −0.88 ** −0.78 *
S2-1000 −0.74 * −0.67 * −0.92 *** −0.80 ** −0.69 * −0.98 *** −0.73 * −0.91 *** −0.90 ***

* p < 0.05; ** p < 0.01; *** p < 0.001; NS: not significant (p > 0.05).

A different trend was observed for URE activity, which can provide useful information
on the rate of urea hydrolysis in soil (i.e., a specific step of N cycling), and was often used as
a proxy of environmental stressing conditions [65–67]. URE activity increased in both soils
treated with 1% MSWC, compared to the other treatments (e.g., URE was 1.9- and 2.9-fold
higher in SB-100 amended with 1% MSWC, compared with the control and 2% MSWC,
respectively; Figure 3) and, as for DHG, the activity decreased at higher concentrations of
added Sb.
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Figure 3. Urease (A) and β-glucosidase (B) activity in amended and unamended Sb-polluted SA and SB soils. Average
values (histograms) and standard errors (bars) are reported. T0, T1 and T2 refer to MSWC addition, i.e., 0, 1 and 2%,
respectively. For each soil (SA and SB) and Sb concentration level, different letters denote significant differences between
treatments (Tukey–Kramer test; p < 0.05). For each enzyme activity, asterisks denote significant differences between SA-100
and SB-100, and between SA-1000 and SB-1000 (Student t-test; p < 0.05).

The lower URE activity recorded in soils amended with 2% MSWC (often very similar
to that of respective controls) seems to be in contrast with the lower amounts of labile Sb
(steps 0–1; Figure 1) recorded in such amended soils. This was reflected by the Pearson
correlation values between URE and the most labile Sb fraction, which were not statistically
significant for all the soils (Table 2). Previous studies showed that ureases activity can
be inhibited by the binding of humic substances to the thiol group of urease [68]. This
could explain the reduced URE in soils amended with the highest compost rate. Moreover,
the inorganic N present in MSWC could also be involved in the inhibition of urease
synthesis, which could justify the reduced URE activity in soils treated with the highest
MSWC amount [69]. GLU activity, which is due to extracellular enzymes that cleave the β

1→4 bonds linking two glucose or glucose-substituted molecules, was higher in SB than SA,
which is in line with what was observed for URE and DHG. The addition of MSWC (with
the exception of SB-1000 amended at a 1% rate) favored a significant increase in this activity
(e.g., ~1.09- and 1.77-fold higher in SB- and SA-100 amended with MSWC, respectively),
and this could likely be due to an increase in the labile C pool in the amended soils [65],
and/or to a decrease in labile Sb. However, as for URE, a consistent correlation between
the most labile Sb and GLU was not found in all the soils (Table 2). Furthermore, it should
be noted that in soils spiked with the highest Sb amount (i.e., 1000 mg kg−1), GLU activities
were higher, with respect to S-100 soils. This apparent stimulating effect of Sb is difficult to
explain, since the relatively few studies in the literature reported that β-1,4-glucosidase
activity was negatively correlated with total and bioavailable Sb [23]. Probably, as also
noted by Diquattro et al. [21], the proliferation in Sb-1000 soils of Sb-resistant microbial
communities, able to synthesize β-1,4-glucosidases, could explain our findings.

3.3. Influence of MSWC on Soil Microbial Activity and Catabolic Diversity in Sb-Polluted Soils

As mentioned elsewhere, ideal amendments used for environmental remediation
purposes should improve soil biological and/or biochemical attributes, other than reduc-
ing the labile concentration of contaminants [53]. In this context, the role of compost
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in influencing the potential metabolic activity and catabolic diversity of the microbial
communities of Sb-polluted soils was investigated by means of Biolog CLPP. Such an
approach, which essentially detects differences in C-source utilization (if any) by microbial
communities, was revealed to be particularly useful at evaluating the impact of organic
and inorganic treatments on soil microbial consortia (e.g., [34,70–73]). Our results indicated
a clear impact of MSWC on the potential metabolic activity of the microbial communities
of amended soils, i.e., significant increases in AWCD were recorded in both S-100- and
S-1000-amended soils (Figure 4). The most striking increases were recorded in SA-100- and
SA-1000-amended soils, where the AWCD was 31- and 14-fold higher compared to that
of respective untreated soils. Moreover, irrespective of the treatment applied, the AWCD
data supported the higher metabolic activity in SB soils (compared to SA), as also indicated
by DHG activity (Figure 2); essentially the same trend was detected for the richness and
H’ index values (Figure 4). Microbial communities of MSWC-amended soils were able to
catabolize a significantly higher number of carbon sources (richness; up to ~14 and 5 in
SB and SA soils, respectively), compared to those of untreated soils, while the catabolic
diversity (Shannon–Weaver H’ values) increased up to 3- and 30-fold in SB-1000- and
SA-1000-amended soils, respectively (Figure 4).

Figure 4. Biolog AWCD, richness and H’ (Shannon–Weaver) index in amended and unamended Sb-polluted SA and SB soils.
Average values (histograms) and standard errors (bars) relative to the 120 h incubation time are reported. T0, T1 and T2 refer
to MSWC addition, i.e., 0, 1 and 2%, respectively. For each soil (SA and SB) and Sb concentration level, different letters denote
significant differences between treatments (Tukey–Kramer test; p < 0.05). For each Biolog-derived parameter, asterisks
denote significant differences between SA-100 and SB-100, and between SA-1000 and SB-1000 (Student t-test; p < 0.05).
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Looking at the consumption of different C guilds in SB soils, the addition of MSWC
greatly increased the utilization of sugar and sugar derivates by soil microbial communities,
while that of amino acids substantially reduced (Figure 5). On the other hand, in SA soils,
the use of the different C guilds was negligible, while MSWC addition led to significant
catabolic recovery, which appeared to be proportional to the rate of MSWC addition, and
was in agreement with the DHG trend (Figures 2 and 6). Taken together, Biolog EcoPlateTM

data indicated a clear improvement of metabolic potentials in amended soils, which can
be explained by different factors, such as the observed reduction in labile Sb in these soils
(steps 0–1; Figure 1). This latter reduction likely alleviated the environmental stress posed
by labile Sb towards microbial communities, leading to higher microbial abundance and/or
activity, as previously reported [74]. Moreover, the reduction in labile Sb in amended soils
could have favored the multiplication of Sb-sensitive bacterial strains (whose presence was
negligible in the polluted untreated soils), having new catabolic capabilities, as highlighted
by the increased richness and H’ values. Similar findings were reported by Garau et al. [59],
which showed a two-fold increase in bacterial species (and a concurrent increase in Biolog
AWCD and richness) in a PTE-polluted soil amended with 4% MSWC. This view was also
supported by the significant negative correlations between the most labile Sb fraction in
soil and Biolog-derived parameters (Table 2).

 
Figure 5. Use of different C-source guilds by microbial communities in amended and unamended
Sb-polluted SB soils. Average percentage values relative to the 120 h incubation time are reported.
T0, T1 and T2 refer to MSWC addition, i.e., 0, 1 and 2%, respectively. For overall metabolic activity of
the different microbial communities see Figure 4.

However, the larger availability of organic C in amended soils, which was reflected by
higher DOC values (Table 1), could have reasonably contributed to the observed increase
in metabolic activity and catabolic versatility, e.g., by making new and more diverse C
sources available to microbial communities and/or by means of a priming effect [75]. On
the other hand, links between DOC content and bacterial abundance and/or activity were
also previously reported, e.g., [59,76].
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Figure 6. Use of different C-source guilds by microbial communities in amended and unamended
Sb-polluted SA soils. Average percentage values relative to the 120 h incubation time are reported.
T0, T1 and T2 refer to MSWC addition, i.e., 0, 1 and 2%, respectively. For overall metabolic activity of
the different microbial communities see Figure 4.

3.4. Influence of MSWC on Sb Phytotoxicity and Bioavailability

The growth of triticale plants was assessed in Sb-polluted SA and SB soils, to estimate
the role of MSWC in the alleviation of Sb phytotoxicity. This is an important point in
the evaluation of the suitability of the amendment, since plant growth in treated soils
should hopefully be increased, mainly because of PTE immobilization by the amendment
and/or improved soil nutritional status. Both these factors largely contribute to reduce
the phytotoxicity of contaminated soils [53]. The plant growth in the Sb-1000 soils was
consistently higher than that recorded in the Sb-100 ones (Figure 7). Considering that
Sb was added in the form of KSb(OH)6, this was likely due to the higher availability
of K in the former soils; that is why a direct comparison of plant growth in Sb-100 and
Sb-1000 soils can be misleading, and was therefore avoided. Overall, plant growth was
significantly stimulated in the presence of MSWC, especially when the highest rate was
applied (Figure 7), suggesting reduced phytotoxicity. In particular, root dry weight (rather
than shoot) was greatly increased in MSWC-amended soils, e.g., up to 24% in SB-100 and
-1000, and up to 14 and 47% in SA-100 and -1000, respectively (Figure 7). More limited
increases were also noted for the shoot dry weight of plants grown in SA-amended soils
(Figure 7). As for soil biochemical features, these results can be explained by a reduction
in labile (and potentially bioavailable) Sb concentrations in amended soils (Figure 1).
This view was supported by the correlation analysis, which highlighted a negative and
significant correlation in all the soils, between the most labile Sb fraction and root dry
weight (Table 2).
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Figure 7. Root and shoot dry weight of triticale plants grown in amended and unamended Sb-
polluted SA and SB soils. Average values (histograms) and standard errors (bars) are reported. T0,
T1 and T2 refer to MSWC addition, i.e., 0, 1 and 2%, respectively. For each soil (SA and SB) and Sb
concentration level, different letters denote significant differences between treatments (Tukey–Kramer
test; p < 0.05). For each plant part, asterisks denote significant differences between SA-100 and SB-100,
and between SA-1000 and SB-1000 (Student t-test; p < 0.05).

However, the improved nutritional status of amended soils (see, for instance, the
higher DOC, TOC, P Olsen, and TN content of these latter soils; Table 1) could have
contributed to the better plant growth, as also highlighted in previous studies, where
H. italicum and maize seedlings were grown in combination with MSWC and biochar,
respectively [22,77]. Regarding the impact of MSWC on Sb uptake (i.e., bioavailability)
by triticale, the results showed different trends according to Sb contamination level. In
soils spiked with the lower Sb concentration, MSWC addition consistently decreased Sb
uptake by the roots and increased that of the shoots (Table 3). In SA-1000 soils, MSWC
addition increased both Sb uptake by the shoots (especially) and roots, whereas in SB-1000,
these were both reduced, even if not significantly for the shoot (Table 3). Except for SA-
1000 soils, a positive and significant correlation was found between the most labile Sb
and its uptake by roots (Table 2), as was also reported in other studies for different PTE
(e.g., [16]). This explains the reduced Sb uptake by roots in amended soils (Table 3), where a
significant reduction in labile and potentially bioavailable Sb was recorded (Figure 1; steps
0–1). However, this was not the case of SA-1000 soils, for which a significant (unexpected)
negative correlation between labile Sb and its uptake by roots was found (Table 2). This
could be explained by higher root activity in such soils, especially in amended ones, which
likely changed the relative distribution of labile Sb in amended and unamended soils. As
a result, labile Sb after plant growth could have been different from that recorded before
plant growth (and that was used to calculate the Pearson correlations). In particular, a
higher release of phytosiderophores and organic acids, by triticale roots, in the amended
SA-1000 soils (e.g., to alleviate Fe deficiency, note that SA soil contained ~65% less Fe
compared to SB soil; [21]) could be responsible for the enhanced Sb mobilization, through
the (partial) dissolution of Sb binding Al and/or Fe minerals [78–81]. Reasonably, this
would have also occurred in SA-100 soil, where, however, this could have had a negligible
effect, due to much lower Sb fractions bound to Al and/or Fe minerals (i.e., Sb extracted in
steps 3–4; Figure 1). Furthermore, a progressive increase in TFSb was recorded in amended
soils, according (mainly) to the compost rate (Table 3). This suggests that the enhanced
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plant growth (and root activity) recorded in soils treated with MSWC (Table 3) could have
possibly influenced Sb bioaccumulation by triticale, leading to a higher Sb concentration
and increased translocation to shoots.

Table 3. Sb uptake, and translocation factor (TFSb), by triticale plants grown in amended and unamended Sb-polluted SA
and SB soils. Average values are reported. T0, T1 and T2 refer to MSWC addition, i.e., 0, 1 and 2%, respectively. For each
soil (SA and SB) and Sb concentration level, different letters (a, b and c) denote significant differences between treatments
(Tukey–Kramer test; p < 0.05).

SA-100 SA-1000 SB-100 SB-1000

Sb Uptake T0 T1 T2 T0 T1 T2 T0 T1 T2 T0 T1 T2

Shoot 1.61 b 1.42 b 2.54 a 3.36 b 5.61 a 6.31 a 0.53 b 0.92 a 0.91 a 12.38 a 10.30 a 9.66 a

Root 1.35 a 0.26 b 0.24 b 1.52 b 1.85 a 1.82 a 0.28 a 0.01 b 0.01 b 1.15 a 0.79 b 0.43 c

TF 1.2 c 5.5 b 11 a 2.2 b 3.0 a,b 3.5 a 1.9 b 92 a 91 a 11 b 13 b 22 a

Finally, it is interesting to note that triticale emerged for the first time as a phytoex-
tracting species, with respect to Sb (i.e., TFSb > 1), and that MSWC could possibly be used
in combination with this plant species for the remediation of Sb-polluted soils, by means of
assisted phytoextraction approaches [82].

4. Conclusions

The mobility of Sb in contrasting soils, characterized by a medium–low or high pollu-
tion level, was reduced by MSWC addition and/or its residual fraction increased. Although
the extent of these phenomena appeared to be dependent on the soil type and contam-
ination level, MSWC amendment implied reduced Sb potential bioavailability, which
was supported by increased soil biochemical functioning (DHG and GLU, especially)
and the development of microbial communities with improved metabolic potentials and
catabolic diversity. The addition of MSWC also alleviated Sb phytotoxicity towards triticale
plants, and reduced, in most cases, their Sb uptake by roots. Overall, the MSWC impact
on Sb-polluted soils was consistent with its use as an amendment for the recovery of such
environments. The reduction in labile Sb concentration in treated soils was likely the key factor
boosting soil microbial activity and diversity (and probably abundance). Reasonably, this
contributed to the development of a rhizosphere environment, which favored plant growth in
amended soils and stimulated Sb translocation from the roots to shoots. This is the first time
that triticale has emerged as a potential species for Sb phytoextraction. In this regard, MSWC
was revealed to be useful to enhance this capacity, and it appears a promising candidate, in
combination with triticale, for assisted Sb (or possibly anionic PTE) phytoextraction programs.
Despite a clear role of MSWC in the chemical and biochemical recovery of Sb-polluted
soils, its long-lasting effect is currently unknown and should be investigated.
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Abstract: The present study pertains to assessing the heavy metal (Cd, Cr, Co, Cu, Pb, and Zn) con-
tents of untreated and treated effluents of two textile industries and agricultural soil samples in the
vicinity of these industries located in Ludhiana, Punjab (India). The genotoxicity of the effluents sam-
ples was estimated using Allium cepa root chromosomal aberration assay. The exposure of Allium cepa
roots to untreated effluents from both industries resulted in the reduction of mitotic index (MI) and
increase in chromosomal aberrations in the root tip meristematic cells when compared to those that
were exposed to the treated effluents indicating the significant genotoxic potential of untreated efflu-
ents. Risk characterization of soil sample was carried out by calculating the potential ecological and
human health risks of heavy metals. The hazard index was observed to be less than 1, indicating there
was no potential health risk of heavy metals in soil samples. Furthermore, bioaccumulation potential
studies on plant species grown in the vicinity of these industries have shown that bioaccumulation
factor (BAF) varied as Ricinus communis L. > Chenopodium album L. > Cannabis sativa L. with Co and
Pb having maximum and minimum values, respectively.

Keywords: health risk assessment; Allium cepa root chromosomal aberration assay; bioaccumulation;
genotoxicity; heavy metals; industrial effluents

1. Introduction

Numerous obnoxious chemical agents continuously enter our environment due to
various industrial, domestic, and other human activities. These chemicals have the ten-
dency to pose threats to the survival of living beings, ultimately endangering the ecological
balance [1–3]. The water pollution index on account of inorganic chemicals is considered
to be one of the major indicators of environmental pollution, which has accelerated in
past decades due to various anthropogenic activities, especially, agricultural practices and
the discharges of effluents from industries into the natural water bodies. [4]. The release
of huge quantities of treated, as well as untreated municipal wastes, to aquatic bodies
has also become a problem in different developing countries [5]. Wastewater irrigation
has been documented to cause the accumulation of heavy metals in agricultural soils and
plants [6–9].

The contamination of water bodies due to genotoxic compounds like heavy metals
and pesticides has been widely documented [10–12]. The presence of various unidentified
and noxious toxicants possessing potential carcinogenicity has been widely demonstrated
in various genotoxicity studies [13,14]. The reports on genotoxicity studies of various
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industrial wastewaters and other effluents have globally raised concern over the genotoxic
and carcinogenic hazards of the contaminants present in the samples [1]. Since the chemical
characterization alone cannot provide sufficient knowledge on their genotoxicity and
potential hazard, different bioassays have been used to explore the same. Many bioassays
have been effectively used to assess the genotoxicity of complex wastewaters and a number
of bacterial and plant-based assays have been developed for the estimation of the genotoxic
potential of water samples. Among these, the Allium cepa test takes a prominent position
because it has a low chromosome number and large size of chromosomes [15].

Soil is an essential resource for sustaining two basic human necessities, that is, pro-
duction of sufficient food and a clean environment by adsorbing different contaminants.
However, certain plants grown on polluted land can uptake contaminants like heavy metals
either as ions through their root system or by absorption through foliage, and they get
accumulated in different plant parts such as in roots, stems, leaves, fruits, and grains [16].
Heavy metal contamination of soils is a very serious issue that has contributed significantly
to the contamination of various food crops [3,17,18]. Although heavy metals exist in soils
in natural concentrations (significantly low) deriving from parent rock materials, these
trace amounts do not pose any harm to human health. However, anthropogenic inputs of
wastewaters from various sources along with the dumped waste can significantly increase
the heavy metal concentrations in soil [19,20]. Excessive levels of heavy metals in agricul-
tural soils not only lead to the disorders of soil functions and crop growth but also, poses
serious risks to human health by accumulating in food crops [21–24].

Potential human health risk (non-carcinogenic and carcinogenic) assessment has been
recognized as an efficient tool for assessing risks of various pollutants in the environment
and is essential for making decisions regarding regulations concerning pollution reduction
in urban soil and minimizing human exposure to toxic pollutants [25–27]. Considering the
ecological threats posed by contaminants in textile industry effluents, the present study
was conducted to assess the effluents (treated and untreated) from two textile industries
situated in Punjab, India for heavy metal contents, physico-chemical characteristics, and
genotoxicity following the Allium cepa root chromosomal aberration assay. Heavy metal
estimation and ecological risk assessment of the agricultural soil in the vicinity of these
industries were also conducted. The study further focused on the evaluation of heavy metal
bioaccumulation in three plant species viz., Cannabis sativa L., Ricinus communis L., and
Chenopodium album growing in the vicinity of these industries, as well as the application of
various pollution indices to determine the pollution level of analyzed heavy metals in the
soil of study area.

2. Material and Methods

2.1. Collection of Samples
2.1.1. Textile Industrial Effluents

Untreated and treated effluents originating from two textile industries (Textile Industry
A and Textile Industry B) being discharged into the Sutlej river, Ludhiana, Punjab, India,
were selected for toxicity assessments. In the present study, the effluent samples from both
textile industries were collected during March 2017. Effluent samples from the respective
industries were collected in triplicate in clean bottles, brought to the laboratory, and
stored at 4 ◦C until further analysis. The samples were coded as shown in Table 1. The
physico-chemical analysis of the collected samples was carried out following standard
protocols [28,29].

Table 1. Description of sample codes.

S. No. Sample Code Description of Sample

1. AU Untreated effluent sample collected from textile industry A
2. AT Treated effluent sample collected from textile industry A
3. BU Untreated effluent sample collected from textile industry B
4. BT Treated effluent sample collected from textile industry B
5. SA Soil sample collected from an agricultural field in the vicinity of industries A and B
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2.1.2. Soil Sample

Soil samples in triplicate were taken from agricultural fields in the vicinity of the
industries. For the collection of soil samples, the soil was dug to the depth of 20 cm [30].
Soil was collected from 4–5 parts of the field viz., east, west, north, south, and center and
pooled to constitute the sample of the particular field. Approx. area of the agricultural
field was 1000 sq. mts and situated 500 meters away from the main industrial units. Soil
samples were stored in clean and airtight polyethylene bags. Soil samples were dried in
the laboratory, cleaned by removing visible traces of leaves and other waste materials,
homogenized, and sieved through a size 2 mm sieve for heavy metal analysis.

2.1.3. Plant Samples

Since there was no crop grown at the time of sampling in the agricultural field,
the plant samples (leaves) of three wildly growing plant species viz. Cannabis sativa L.
(Cannabaceae), Chenopodium album L. (Amaranthaceae), and Ricinus communis L. (Euphor-
biaceae) on the boundaries of agricultural fields in the vicinity of industries were collected
to explore their heavy metal bioaccumulation potential. The leaves were thoroughly
washed using tap water followed by distilled water, oven-dried at 70 ◦C, grounded to
a fine powder by pestle mortar, and stored in airtight polyethylene bags at 4 ◦C until
further analysis.

2.2. Physico-Chemical Characteristics of Industrial Effluents and Soil

The soil extract (1:5 w/v) was prepared by adding 20 g of the collected soil sample in
100 mL of distilled water. This solution was kept in a mechanical shaker for 12 hours at
room temperature and filtered through Whatman No. 1 filter paper [31]. The filtrate was
termed soil extract and was used for further analysis of the physico-chemical parameters
(pH, electrical conductivity, calcium, sodium, and magnesium). Total organic carbon of
the soil was estimated using the dry combustion method [32]. A core measuring cylinder
(100 ML) was used for bulk density (BD) estimation [33]. Soil texture was determined by
the sieving and sedimentation method [34]. On the basis of size, different particles of soil
were grouped as: sand: 0.5–2.00 mm; silt: 0.002–0.5 mm; clay: <0.002 mm. The analysis
of the physico-chemical parameters (pH, temperature, total solids (TS), total dissolved
solids (TDS), total suspended solids (TSS), total hardness, alkalinity, calcium, chloride,
magnesium, sodium, and phosphate) of effluent samples was carried out following the
standard protocols of the American Public Health Association [35,36]. The sodium content
of both effluents and soil samples was measured using a Flame Photometer (Model-128;
Make: Systronics). The pH of each effluent was measured using a pH meter (Model: μ pH
system 361; Make: Systronics).

2.3. Heavy Metal Estimation

Heavy metal contents in collected samples were determined using the flame atomic ab-
sorption spectrophotometer (AAS) (Agilent 240 FS AA model), at variable/recommended
wavelength of 228.80 nm for cadmium, 240.70 nm for chromium, 357.90 nm for cobalt,
324.80 nm for copper, 217.0 nm for lead, and 213.90 nm for zinc. Limits of detection (μg/L)
for different metals were cadmium (1.5), cobalt (3), chromium (5), copper (1.2), lead (7),
and zinc (1.6). The airflow rate was maintained at 13.50 L/min for all heavy metal deter-
minations. The acetylene flow rate was set at 2.00 L/min for Cd, Co, Cu, Pb, and Zn, and
at 2.90 L/min for Cr estimations while the lamp currents were set at 4.00 mA, 7.00 mA,
7.00 mA, 4.00 mA, 10.00 mA, and 5.00 mA for determination of Cd, Co, Cr, Cu, Pb, and Zn,
respectively. All the glassware was thoroughly washed and oven-dried before use. Double
distilled water and analytical grade reagents were used during the whole experiment. The
standard solutions (1000 mg/L) of Agilent made for different metals were used to prepare
solutions of varying concentrations as 0.5, 1, 1.5 (mg/L) for cadmium and zinc; 5, 10,
15 (mg/L) for chromium, lead, nickel, and cobalt; and 1, 3, 5 (mg/L) for copper using the
serial dilution method. The accuracy (>95%) of the instrument was maintained throughout
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the experiment by thorough washing. For which, after every 10 sample readings, the
standards were run to observe the accuracy of the instrument. Soil samples were digested
using aqua regia, that is, a mixture of one part concentrated nitric (HNO3) and three parts
hydrochloric acid (HCl) following the method described by the authors of [37] with minor
modifications. For this purpose, 1 g of finely ground soil sample was digested slowly
with aqua regia on a hot plate in a fume hood till white fumes appeared, indicating the
complete digestion of the soil sample. Plant sample digestion was carried out using a
tri-acid mixture, that is, five parts of nitric acid (HNO3) and one part of both perchloric
(HClO4) and sulfuric acid (H2SO4) as prescribed by Allen [38]. Only concentrated acids
were used for both types of digestion. The digested soil and plant samples were filtered
using Whatman No.1 filter paper and diluted with double distilled water up to a final
volume of 50 mL.

2.4. Metal Bioaccumulation Factor (BAF)

In order to assess the accumulation of heavy metals from the soil in the agricul-
tural fields in the vicinity of the industries into the three plant species (Cannabis sativa L.,
Chenopodium album L. and Ricinus communis L.), the bioaccumulation factor (BAF) was
calculated. The bioaccumulation factor is commonly used to study the fate of different
environmental contaminants in plants [39]. Ali et al. [40] documented that BAF is the ratio
of the concentration of heavy metals in the crop to that in the soil. Accordingly, BAF was
calculated using the following equation.

BAF = Cplant/Csoil (1)

where, Cplant stands for concentrations of heavy metal in plant leaves and Csoil stands for
concentrations of heavy metal in soil.

2.5. Genotoxicity Assessment

The genotoxicity of both untreated and treated industrial effluents was determined
using the Allium cepa root chromosomal aberration assay [41–43]. After the removal
of primary roots of freshly purchased onion bulbs, bulbs were placed on Couplin jars
containing distilled water (negative control) and industrial effluents for 48–72 h for rooting.
The Couplin jars were kept in a BOD (Biochemical Oxygen Demand) incubator at 25 ± 2 ◦C
until roots grew. Care was taken to fill the coupling jars with exposure media on a daily
basis so that the onion bulbs were emersed in solution and the root primordia were under
continuous exposure to the treatment. Distilled water was used as a negative control
during the study. The onion bulbs after treatment were thoroughly washed. The root
tips were plucked with forceps and put in a solution of glacial acetic acid and Ethanol
in the ratio of 1:3 (Farmer’s fluid). The root tips were squashed in aceto-orcein stain to
prepare slides. At least five slides consisting of approximately 500 dividing cells were
examined under a light microscope to calculate mitotic index (MI) and to score different
types of aberrations for each sample. The chromosomal aberrations were categorized into
physiological (outcomes of spindle inhibition) and clastogenic (formed due to damage of
DNA) based on the descriptions given earlier [42,44].

2.6. Pollution Assessment

The degree of pollution of the agricultural soil in the studied area was evaluated by
using several indices, like the geoaccumulation index (Igeo), contamination factor (CF),
degree of contamination (Cdeg), modified degree of contamination (mCdeg), Numerow’s
pollution index (PI), pollution load index (PLI), potential ecological risk factor (ERi), and
the potential ecological risk index (RI). A brief description of these soil contamination
indices is given in Table S1.
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2.7. Human Health Risk Assessment

The model for human health risk assessment given by the United States Environmental
Protection Agency (USEPA) was used to assess the non-carcinogenic and carcinogenic
effects of environmental toxicants like heavy metals on humans. Due to behavioral and
physiological differences in this study area, people were divided into two groups, that
is, adults and children. Soil contaminants, that is, heavy metals, pose health risks to the
human body mainly by three exposure pathways, which include ingestion, inhalation,
and dermal contact. So, the carcinogenic and non-carcinogenic threat of these exposure
pathways was calculated in the present study. The methodology used in the present
study for human health risk assessment was based on the guidelines given by the US
Environmental Protection Agency [28,45–48].

2.7.1. Exposure Assessment

To calculate the human exposure dose, the average daily intake (ADI) of heavy metals
in soil for three exposure pathways (ingestion, inhalation, and dermal contact) is calculated
as follows:

Ingestion pathway:

ADIingestion =
C × IRig × EF × ED × CF

BW × AT
(2)

Inhalation pathway:

ADIinhalation =
C × IRih × EF × ED

BW × AT × PEF
(3)

Dermal contact pathway:

ADIdermal contact =
C × SA × SAF × DAF × EF × ED × CF

BW × AT
(4)

where ADIingestion, ADIinhalation, ADIdermal contact is the average daily intake (mg/kg day) via
ingestion, inhalation, and dermal contacts, respectively. C is the concentration of analyzed
heavy metals in soil samples (mg/kg); IRig is the ingestion rate (100 and 200 mg/day for
adults and children, respectively) [28,45,48]; IRih is the inhalation rate (12.8 m3/day for adults
and 7.63 m3/day for children) [28]; EF is the exposure frequency (365 days/year) [28,45];
ED is the exposure duration (30 years for adults and 6 years for children) [28]; CF is the
conversion factor for soil (10−6 kg/mg) [48]; BW is the body weight (70 and 20 kg for adults
and children, respectively) [28]; AT is the average exposed time (EF × ED) [28]; PEF is the
particulate emission factor (1.36 × 109 m3 /kg) [28]; SA is the skin exposed area for soil
(4350 and 1600 cm2 for adults and children, respectively) [28]; SAF is the skin adherence
factor (0.7 mg/cm2 for adults and 0.2 mg/cm2 for children) [28,48]; and DAF is the dermal
absorption factor (0.001) [28].

2.7.2. Non-Carcinogenic Risk Assessment

The hazard quotient (HQ) is characterized for non-carcinogenic hazards and is defined
as the average daily intake by the toxicity threshold value, which is referred to as the
chronic reference dose (RfD) in mg/kg-day of the specific heavy metal. HQ is computed as
the ratio of the average daily intake (ADI) and a reference dose (RfD). The equitation of HQ
is given as follows [28,45]:

HQ =
ADI
R f D

(5)

where HQ is the hazard quotient, ADI is the average daily intake (mg/kg day) and RfD
is the reference dose (mg/kg day) of heavy metals via ingestion, inhalation, and dermal
contact pathways. The reference dose (RfD) of studied heavy metals is shown in Table S2.
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Hazard index (HI) is a cumulative non-cancer health risk that can be evaluated by the
sum of the HQ (hazard quotient) values of various exposure pathways. It can be calculated
as the sum of non-carcinogenic hazard quotients for all contaminants [45] as follows:

HI = ∑ HQi (6)

where HQi is the non-cancer hazard quotient for the ith contaminants.
HI < 1 indicated no non-carcinogenic health, whereas HI > 1 risk indicated adverse

non-carcinogenic health risk [28,49].

2.7.3. Carcinogenic Risk Assessment

The carcinogenic risk assessment is the incremental probability of an individual devel-
oping cancer over a lifetime as a result of exposure to the potential carcinogen like heavy
metals [27,50]. Carcinogenic risk and total carcinogenic risks are determined as follows:

CR = ADI × SF (7)

TCR = ∑ CR (8)

where CR is the carcinogenic risk; ADI is the average daily intake (mg/kg day); SF is the
cancer slope factor over a lifetime (mg/kg day). The cancer slope factor (SF) of studied
heavy metals is shown in Table S2.

The values of carcinogenic risk (CR) ranging from 1 × 10−6 to 1 × 10−4 are considered
as safe limit for human health [28,45], whereas higher CR values than the limit of 1 × 10−4

cause lifetime cancer risks to the human body [45,49].

2.8. Statistical Analysis

Student’s t-test (p ≤ 0.05) was applied to find significant differences between values
of heavy metals and genotoxicity parameters like mitotic inhibition (MI), physiological
aberrations (PA), clastogenic aberrations (CA), and total aberration (TA) for untreated and
treated effluents of the same industry. Chi-square test (p ≤ 0.05) was used to calculate
the statistically significant differences between the values of genotoxicity parameters (MI,
PA, CA, and TA) for effluents and the negative control. Statistical analysis was performed
using Minitab version 14.0 (State College, PA, USA).

3. Results and Discussion

3.1. Physico-Chemical Characteristics of Industrial Effluents and Soil

Physico-chemical parameters of studied soil and industrial effluent samples are shown
in Table 2. The mean pH of soil, that is, 8.02 was observed to be within the permissible
limit of 6.5–8.5 and is alkaline in nature. Electrical conductivity (EC), which indicates the
soil salinity, was also found to be within the prescribed limit. The studied soil sample
had a sand content of 33.49%, silt content of 26.05%, and clay of 40.45%. The Ca, Mg
and Na contents (mg/kg) of the soil sample were observed to be 120.24, 176.64, and
343.08, respectively. pH, the most significant parameter for the assessment of water quality,
ranged from 6.67 to 8.90 and remained within the prescribed limits. Bulk density (BD)
plays a vital role in the growth of plants as high BD can decrease the root penetration
in soil. The mean bulk density (BD) of the studied soil sample was found to be 1.08.
Organic matter content plays a chief role in the fertility of agricultural soils. Total organic
carbon (TOC) in the present study was observed to be 2.22%. The pH of treated effluent
of textile industry A (AT) was observed to be acidic while all other effluent samples
showed basic pH. Dissolved calcium and magnesium in water are the two most common
minerals that determine water hardness. Total hardness (mg/L) for AU, AT, BU, and BT
was found to be 111.33, 151.33, 191.33, and 104.67, respectively. The calcium content in
effluent samples ranged between 17.90–60.65 mg/L and magnesium content was seen
in the range of 17.58–70.33mg/L. The order of chloride content (mg/L) was observed
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to be: 232.41 (AU) > 142.47 (AT) > 114.07 (BU) > 66.74 (BT). The electrical conductivity
varied from 511μS/cm to 1908.67 μS/cm. The value of total suspended solids (mg/L) was
found to be minimum for AU (106.67) and maximum for AT (585) while the content of
total dissolved solids (mg/L) was found to be minimum for AT (201.67) and maximum
for BU (3666.67). The value of alkalinity (mg/L) varied from 356.67 to 656.67; sodium
content (mg/L) from 141.08 (BU) to 333.63 (AU); and phosphate content (mg/L) from
1.48 (AT) to 2.08(BU). The value of total solids (mg/L) was found to be in the order of
BU (3893.33) > AU (3473.33) > BT (2000) > AT (786.67).

According to Paul et al. [51], the basic nature of the pH of the industrial effluents was
because of the usage of scouring and bleaching agents along with other various chemicals
like caustic soda, hydrogen peroxide, and soap while pulping the waste. Similar results
were also reported by Ramamurthy et al. [52]. Alkaline pH can have an adverse effect on
soil permeability and soil microflora [53]. Total solid (TS) levels were higher in both AU
and BU, which can lead to high turbidity of the water bodies into which these effluents
are discharged. In the present study, higher levels of total dissolved solids (TDS) indicated
high salt content in the effluents analyzed. Paul et al. [51] also reported higher values of
TDS (2264–7072 mg/L) in textile effluents. The higher values of TDS are due to the addition
of different chemicals during pulping and bleaching processes, which can have detrimental
effects on aquatic flora and fauna.

The degree of hardness becomes higher as the calcium and magnesium content in-
creases and is related to the concentration of multivalent cations dissolved in the water.
The change in alkalinity depends on carbonates and bicarbonates, which in turn depends
upon the release of CO2. The amount of total alkalinity in the effluents during the present
study ranged from 356.667 to 656.667 mg/L. The hardness of water is mainly due to the
presence of calcium and magnesium ions, and it is an important indicator of the toxic effect
of poisonous elements [54].

Table 2. Physico-chemical characteristics (Mean ± S.E.) of collected samples (textile industrial effluents and soil) from
Ludhiana, Punjab (India).

Parameter AU AT BU BT BIS Limits a Soil Soil Limits b

pH 6.67 ± 0.05 7.49 ± 0.00 * 7.43 ± 0.02 8.90 ± 0.02 * 6.5–8.5 8.02 ± 0.01 6.5–8.5
EC (μS/cm) 1908.67 ± 4.67 628.67 ± 1.86 * 1858.33 ± 1.67 511.00 ± 2.00 * - 442.5 ± 4.79 450
TDS (mg/L) 3366.33 ± 6.67 201.67 ± 1.67 * 3666.67 ± 13.33 1813.33 ± 35.28 * 500–2000 - -
TS (mg/L) 3473.33 ± 6.67 786.67 ± 13.34 * 3893.33 ± 13.33 2000.00 ± 40.00 * - - -
TSS (mg/L) 106.67 ± 6.67 585 ± 12.58 * 226.67 ± 13.33 186.67 ± 13.33 - - -
Alkalinity
(mg/L) 656.67 ± 33.34 456.67 ± 33.34 * 490.00 ± 57.74 356.67 ± 33.33 200–600 - -

Hardness
(mg/L) 111.33 ± 6.67 151.33 ± 6.67 * 191.33 ± 6.67 104.67 ± 6.67 * 200–600 - -

Calcium
(mg/L) 33.93 ± 2.67 17.90 ± 2.67 * 60.65 ± 2.67 28.59 ± 2.67 * 75–200 120.24 (mg/kg)

± 0.00 0–3500 mg/kg

Magnesium
(mg/L) 17.58 ± 4.40 70.33 ± 4.40 * 26.37 ± 7.61 21.98 ± 4.40 * 30–100 176.64 (mg/kg)

± 6.09 0–500 mg/kg

Sodium
(mg/L) 333.63 ± 1.62 308.20 ± 1.25 * 141.08 ± 0.58 262.42 ± 1.04 * - 343.08 (mg/kg)

± 3.02 0–300 mg/kg

Chloride
(mg/L) 232.41 ± 4.73 142.47 ± 4.73 * 114.07 ± 4.73 66.74 ± 0.58 * 250–1000 - -

Phosphate
(mg/L) 1.58 ± 0.03 1.48 ± 0.02 2.08 ± 0.13 1.50 ± 0.03 * - - -

Bulk density
(g/cc) - - - - - 1.08 ± 0.01 -

Sand (%) - - - - - 33.49 ± 0.72 -
Silt (%) - - - - - 26.05 ± 0.19 -
Clay (%) - - - - - 40.45 ± 0.68 -
TOC (%) - - - - - 2.22 ± 0.15 -

(AU: Untreated effluent of textile industry A; AT: Treated effluent of textile industry A; BU: Untreated effluent of textile industry B;
BT: Treated effluent of textile industry B; TOC: Total organic carbon). a BIS [55]; b Awashthi [56], * Indicates statistically significant
difference between values of parameters in untreated and treated effluents of the same industry. (Independent Student’s t-test, p ≤ 0.05).
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3.2. Heavy Metal Estimation
3.2.1. Heavy Metal Contents in Industrial Effluents

The results of a metal analysis of industrial effluents are given in Table 3. The contents
(mg/L) of Cd, Cr, Co, Cu, Pb, and Zn observed for untreated effluents of textile industry A
were 0.004, 0.06, 1.72, 0.02, 0.13, and 0.09, respectively, while the values (mg/L) of these
metals for treated effluents were below detection limit (BDL), 0.05, 1.33, 0.02, 0.11, and 0.02,
respectively. The heavy metal contents observed for untreated effluent of textile industry B
were in the order Co (1.69) > Cd (1.33) > Pb (0.14) > Zn (0.13) > Cr (0.06) > Cu (0.03), while
in the case of treated effluent, the order was Co (1.42) > Pb (0.11) > Zn (0.07) > Cr (0.06) >
Cu (0.01) > Cd (0.001). Among the heavy metals analyzed, the contents of Co were found
to be above the standard limits for the discharge of effluents from textile industries.

Among all metals, Co content was observed to be high in untreated and treated efflu-
ents of both textile industries A and B as compared to the prescribed limits. All other tested
heavy metals were found to be within the permissible level. Metal contamination in textile
effluents was reported to occur because of the wide usage of chemicals, colorants, mordants,
and other additives like caustic soda, sodium carbonate, etc. during the manufacturing
processes [57]. Adinew [58] also reported that different heavy metals such as cobalt, copper,
and chromium in textile effluents were present within the dye chromophores. The presence
of heavy metals in effluents produces several adverse effects on living organisms [59].
Metals like chromium, zinc, iron, mercury, and lead were reported to pose environmental
challenges [60]. In the present study, there was a significant difference (p > 0.05) in Co, Pb,
and Zn content between untreated and treated effluents of both textile industries.
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3.2.2. Heavy Metal Contents in Soil

Table 3 shows the contents of various studied heavy metals in the soil of the agricul-
tural field collected from the vicinity of textile industries. The contents (mg/kg) of Cd,
Cr, Co, Cu, Pb, and Zn observed in samples were 1.33, 16.43, 214.60, 13.63, 57.33, and
92.52, respectively.

The chief sources of heavy metals in the roadside agricultural soils were documented
to be the parent rock material, vehicular emissions, industrial activities, and agrochemicals
like fertilizers and pesticides used for cultivation [18,62]. In the present study, soil samples
were collected from agricultural fields in the vicinity of the textile industries. In the present
study, three metals, that is, Cu, Cr, and Zn were observed to be low while Pb was higher
in comparison to heavy metal contents reported from other parts of Punjab [63,64]. Also,
Cd content was observed to be high in the present study in comparison to other parts
of the world [65–70]. Cadmium is a toxic metal that causes serious health problems to
humans, animals, and plants. Bhatti et al. [61] reported that the sources of the high levels of
cadmium in the agricultural soils of Punjab were due to the usage of various agrochemicals
like NPK (nitrogen, phosphate, potassium) fertilizers, pesticides, weedicides, etc. Industrial
activities, lead mines, farmyard manure, and sewage sludge applications, etc. are reported
to be the main sources of lead pollution in agriculture and plants [71]. Zinc pollution
in roadside soils was caused by traffic-related activities such as vehicular emissions and
weathering of crash barriers [18,72,73].

Among the different metals analyzed, the content of Co was observed to be maximum
in the soil sample analyzed during the present study. Cobalt is documented to occur
naturally in soils following two main pathways, that is, weathering of rocks comprising
of minerals and breakdown of organic matter. The major mechanism involved in cobalt
content in soil includes the anthropogenic usage of cobalt salts. Smaller amounts of cobalt
can also enter the soil from the airborne transport of particulate emissions and application
of sewage sludge onto fields. Heavy metal mobility in soil was reported to be inversely
related to the strength of adsorption by soil constituents. However, the adsorption of cobalt
to soils was reported to be rapid by Kim et al. [74]. Cobalt is reported to be one of the
beneficial elements for the growth of higher plants although there is no report available
regarding its direct role in plant metabolism [75]. However, some studies showed that
cobalt was required for nitrogen fixation by bacteria in the root nodules of plants belonging
to the leguminous family [76,77]. Cobalt has also been documented to be necessary for the
processes of stem growth, elongating the coleoptiles, and expanding leaf discs. Moreover,
cobalt reduced the peroxidase activity resulting in the breakdown of Indole acetic acid
(IAA). Application of cobalt through seed treatments improved the germination of a seed,
stand establishment, growth, yield, and quality [78]. Yet, a higher concentration of cobalt
was found to be toxic, causing chlorosis and necrosis and inhibited root growth by retarding
cell division, hindering the uptake and translocation of nutrients and water [78,79].

Copper and zinc are considered essential elements for plant nutrition, however, these
can also cause toxic effects, if their concentrations exceed the required limits [80]. Plants
mainly absorb zinc as a divalent cation, which acts either as a metal component or enzymes
or as a functional, structural, or regulatory co-factor of many enzymes [81]. Despite
being a non-essential element, cadmium can also get highly accumulated in plants as
reported by Nadian [82]. Pb being a toxic element decreases the biomass growth and
disrupts the total chlorophyll content of plants [83]. Naureen et al. [84] observed that the
concentration of heavy metals in plants varied from species to species. Another study
reported that the accumulation of selected metals varied greatly among plant species and
uptake of an element by a plant was primarily dependent on the plant species and the soil
characteristics [85]. Similar observations were also made by Rattan et al. [86]. On the other
hand, Muchuweti et al. [87] reported that the excessive accumulation of heavy metals in
soils was due to elevated levels of heavy metals in wastewater used for irrigation that led
to increased uptake of metals in crops.
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3.2.3. Heavy Metal Contents in Leaves of Plants

figfig:soilsystems-1285565-f001 shows the heavy metal contents in leaf samples of three
plants Cannabis sativa L., Chenopodium album L., and Ricinus communis L. from the study
area. The order of the heavy metals in the leaves of the three plants was observed to be
Co > Zn > Pb > Cr > Cu > Cd. However, among three plant species, the order of heavy
metal contents observed for Cd and Pb was Cannabis sativa L. > Ricinus communis L.
> Chenopodium album L.; for Cr and Zn the order was Chenopodium album L. > Ricinus
communis L. > Cannabis sativa L.; for Co the order was Ricinus communis L. > Chenopodium
album L. > Cannabis sativa L.; and for Cu it was Ricinus communis L. > Cannabis sativa L. >
Chenopodium album L.

 

Figure 1. Heavy metal contents in three plant species viz., Cannabis sativa L., Ricinus communis L., and Chenopodium album L.
FAO/WHO, Adapted with permission from [56]. 2001, Indian standards: Awashthi.

In all the collected plant samples, the concentrations of different metals were observed
to be above the European permissible limits like 50 mg/kg for cobalt, 0.2 mg/kg for
cadmium, and 1 mg/kg for chromium. However, two metals and contents were determined
to be lower than the Indian standards like Cd < 1.5 mg/kg and Cr < 20 mg/kg [88,89].
The concentration of copper in all three plant species was recorded to be less than both
Indian standards of 30 mg/kg and European permissible limits of 73 mg/kg. Lead content
was found to be higher than both Indian standards (2.5 mg/kg) and European permissible
limits (0.43 mg/kg). The leaves of Ricinus communis L. and Chenopodium album L. had a
higher zinc content than the Indian standards of 50 mg/kg and lower than that of European
limits of 100 mg/kg. The content of zinc in Cannabis sativa L. was recorded to be less than
both Indian standards and European permissible limits.
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The variations of heavy metal contents in soil have a direct influence on the accu-
mulation of heavy metals in plants. However, the heavy metal accumulation in plants
also depends on the type of plant species, plant organelles, and traffic density. The plant
species included in the present study were preferred because these were wildly grown
along the boundaries of the agricultural field at the time of sampling. The contribution
of human beings to metal concentrations in the terrestrial environment has arisen mainly
from mining, smelting, and industrial activities [90].

3.3. Metal Bioaccumulation Factor (BAF)

BAF is one of the main indices that provide insight into the heavy metal uptake
capacity of plant species. In the present study, BAF values were used to estimate and
compare the extent of accumulation of various metals such as Cd, Co, Cr, Cu, Pb, and Zn
in leaves of the three plants from the soil. Figure 2 presents the BAF values for different
plant samples collected during the study. A BAF value above 1 was observed only for
cobalt (1.042) in the leaves of Ricinus communis L, which indicates a high level of metal
bioaccumulation in Ricinus communis L. The order of accumulation of heavy metals in the
leaves of Ricinus communis L. was Co (1.04) > Zn (0.56) > Cu (0.48) > Cr (0.46) > Pb (0.26) >
Cd (0.18); for Chenopodium album L. the order was Co (0.78) > Cr (0.66) > Zn (0.62) > Cu
(0.46) > Pb (0.26) > Cd (0.09); and for Cannabis sativa L. it was Co (0.73) > Cu (0.47) > Cr
(0.45) > Cd (0.31) > Pb (0.28).

Figure 2. Bioaccumulation factor of Soil to plant.

The heavy metal accumulation examination provides very important information
about the phytoremediation potential of the plant species. Transport and accumulation
of heavy metals from soil to edible parts act as the major pathway for the entry of heavy
metals into the food chain, which ultimately leads to various harmful effects [91]. The
exposure of heavy metals to human beings leads to various health problems such as
nervous system disorder, skin ailments, stomach problems, kidney damage, bone, and
lung diseases [92–94]. The BAF of heavy metals depends upon the bioavailability of metals,
which in turn depends upon the concentration of metal in soil, its chemical forms, the
difference in uptake capability for different metals, and the growth rate of different plant
species [53,95]. Different metals are accumulated in plants at variable rates depending
on various factors such as physiology, requirements, and the metal uptake mechanism
of plants, the physico-chemical characteristics of soil such as soil texture, soil pH and
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soil organic matter, as well as quantity of heavy metals present in the soil [94,96–98].
According to the guidelines given by Baker [99], BAF values greater than 1 indicated that
the plant was an accumulator for the metal being analyzed and considered as harmful
for plant health [53,100]. It is documented that Ricinus communis has good tolerance
and phytoremediation potential for the removal of nickel (Ni) from contaminated land
areas [101,102]. In the present study also, maximum BAF values for Co were observed
in Ricinus communis L., which showed that this plant had higher metal bioaccumulation
capacity than Chenopodium album L. and Cannabis sativa L. The mechanisms of cobalt
accumulation are still not properly defined. However, there are some Cu accumulators
which have the potential for Co accumulation as well due to similar mechanisms in the
accumulation of different heavy metals [103]. Considering the Co toxicity on the targeted
cellular system of plants that can hyperaccumulate, Co has been found to be evolved in
regulating Fe homeostasis thus avoiding the accumulation of free ions that can induce
oxidative stress [104]. Wong et al. [105] reported that heavy metals in carbonate-bounded
form were more bioavailable than the presence of metal in any other fractions. Tamoutisidis
et al. [106] revealed that heavy metals were transported passively from the root system
to the shoot system through xylem vessels and were accumulated in the zones of high
transpiration rates.

3.4. Genotoxicity of Industrial Effluent

The genotoxic potential of textile industrial effluents, before and after treatment was
evaluated on the basis of percent aberrant cells. The results of genotoxic potential analysis of
effluents and distilled water (negative control) using the Allium cepa test system are shown
in Table 4. Among all physiological aberrations, delayed anaphases and stickiness were the
most frequent type of aberrations while chromatin bridges dominated among clastogenic
aberrations. Total chromosomal abnormalities in the meristematic cells of root tips of
Allium cepa exposed to untreated effluents were significantly higher as compared to those
exposed to treated effluents. The reduced mitotic index clearly indicates the cell division
reduction in the root meristematic cells, which may be due to the collaborating effects of a
complex mixture of cytotoxic chemicals like metals present in the textile industrial effluents.
The total percentage aberration including both physiological (laggards, vagrants, stickiness,
delayed anaphases, and c-mitosis) and clastogenic (chromatin bridges and chromosomal
breaks) aberrations are shown in Figure 3. The total percent aberrant cells were observed to
be 29.36% for AU, 27.48% for BU, 19.69% for AT, 16.52% for BT, and 3.84% for the negative
control. The results obtained indicate the less toxic nature of the treated effluents of both
textile industries (A and B) as compared to the untreated effluents, which can be due to the
decrease in heavy metal contents.

Table 4. Genotoxic potential of industrial effluents collected from textile industries of Ludhiana (Punjab), India.

Parameter NC AU AT BU BT

Average TDC 494 431 608 500 668
MI (%) 44.37 ± 1.01 13.83 ± 0.13 # 22.17 ± 0.40 #,* 17.46 ± 0.21 # 24.32 ± 0.26 #,*
PA (%) 3.43 ± 0.19 26.67 ± 0.30 # 17.50 ± 0.22 #,* 26.08 ± 0.48 # 15.13 ± 0.55 #,*
CA (%) 0.41 ± 0.01 2.70 ± 0.17 # 2.19 ± 0.15 # 1.40 ± 0.20 # 1.40 ± 0.06 #

TA (%) 3.84 ± 0.19 29.37 ± 0.40 # 19.69 ± 0.36 #,* 27.48 ± 0.44 # 16.52 ± 0.59 #,*

(NC: Negative Control; (AU: Untreated effluent of textile industry A; AT: Treated effluent of textile industry A; BU: Untreated effluent of
textile industry B; BT: Treated effluent of textile industry B); TDC: Total Dividing Cells; MI: Mitotic Index; PA: Physiological Aberration; CA:
Clastogenic Aberration; TA: Total Aberration). * Indicates statistically significant difference between values of genotoxicity parameters
(MI, PA, CA, and TA) for untreated and treated effluents of same industry (Independent Student’s t-test, p ≤ 0.05). # Indicates statistically
significant difference between values of genotoxicity parameters (MI, PA, CA, and TA) for effluents and negative control (Chi square test,
p ≤ 0.05).
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Figure 3. Induction of physiological and clastogenic chromosomal aberrations in root tip cells of Allium cepa under exposure
to industrial effluents and distilled water (Negative Control). Physiological aberrations (Cm: C-mitosis; Da: Delayed
anaphase; Lg: Laggards; St: Stickiness; Vg: Vagrants; Aa: Abnormal anaphases; Am: Abnormal metaphases); Clastogenic
aberrations (Cb: Chromatin bridges; Bk: Chromosomal breaks), Sample codes (AU: Untreated effluent of textile industry A;
AT: Treated effluent of textile industry A; BU: Untreated effluent of textile industry B; BT: Treated effluent of textile industry
B); NC: Negative control.

The results observed in the present study indicate the mitogenic, as well as the
clastogenic effects of the textile effluents, which were evident from the low value of
the mitotic index (MI) and higher values of the chromosomal aberrations assay when
compared to the results obtained from treatment with negative control (distilled water).
The statistical analysis (Chi square test) also revealed that there is a significant difference
between the values of the genotoxicity parameters viz., physiological aberration (PA),
clastogenic aberration (CA), and total aberration (TA) along with mitotic index (MI) for
effluents of both textile industries (A and B) and negative control at p ≤ 0.5). Chromosomal
aberration is an important indicator for assessing the genotoxicity of textile effluents [107].
The Allium cepa root chromosomal aberration assay has been widely used for cytotoxic as
well as genotoxic mitotic studies [41,108–110]. The reduction in the values of mitotic index,
in the present study, indicated the cytotoxic effects, whereas the induction of chromosomal
and nuclear abnormalities showed genotoxic effects. Both cytotoxic and genotoxic effects
were endorsed by various environmental pollutants [44].

The higher genotoxic response of root tip cells under exposure to untreated effluent
of textile industry A as compared to untreated effluent of B industry can be attributed
to the presence of high content of Cd, Co, Na, and Cl. Some authors have reported
the cytotoxic and genotoxic effects using the Allium cepa test system following exposure
to heavy metals [111,112]. Cd has been shown to reduce the mitotic index (MI) and
enhance the induction of chromosomal aberrations, as well as micronuclei, in various
studies [113–116]. Grover and Kaur [117] studied the genotoxic potential of textile and
paper mill effluents and sewage water following the Allium cepa chromosomal aberration
assay and reported that the industrial effluents induced the formation of micronuclei
and chromosomal abnormalities in the root tip cells of Allium cepa. Genotoxicity of both
untreated and treated textile industrial effluents was evaluated using the Allium cepa test
system by Vijayalakshmidevi and Muthukumar, [118] and they observed a reduction in
the mitotic index, as well as induction of various types of chromosomal aberrations in the
root tips exposed to effluent. It is possible that some chemicals in the complex chemical
mixtures could have stimulatory effects on the mitotic process while some others might
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have mito-depressive effects [43]. Similar results were also reported for genotoxicity of
textile industrial effluents using the Allium cepa test system by other authors [42,108,119,120]
and they demonstrated the induction of chromosomal abnormalities and decrease in the
mitotic index in root tips cells treated with the effluent. Therefore, mitotic responses
observed in this study could be due to the overall collaborative effects such as additive,
antagonistic, and synergistic of the complex chemical mixtures in the effluents on the root
meristematic cells.

3.5. Pollution Assessment

The Igeo, CF, Cdeg, mCdeg, PI, PLI, ERi and RI of the agricultural soil in the present
study were calculated based on the heavy metals content in the studied soil sample. Table 5
indicates that the CF value of heavy metals in studied area was ranked as: Co (21.46) >
Cd (13.57) > Pb (2.87) > Zn (1.30) > Cu (0.55) > Cr (0.47) and the Igeo value ranked as Co
(3.84) > Cd (3.18) > Pb (0.93). Pollution levels of contamination factor (CF) were classified
as: low contamination (CF < 1), moderate contamination (CF value in the range of 1–3),
considerable contamination (CF value in the range of 3–6), and very high contamination
(CF > 6) by Taylor and Mclennan [121] and Hakanson [122]. The CF value indicated that
the soil is extremely polluted by Cd and Co, moderately polluted by Pb and Zn whereas
unpolluted by Cu and Cr. The result of Igeo showed that soil is heavily contaminated by
Cd and Co whereas uncontaminated by Cr, Cu, and Zn on the basis of the classification
given by Muller [123] and Taylor and Mclennan [121]. Considering the Cdeg values > 32,
PI values > 3, and PLI > 3, the studied soil was found to be extremely polluted with heavy
metals whereas mCdeg (6.70) value in the present study indicated that soil has a high
degree of contamination. ERi values for Cr, Cu, Pb, and Zn were observed to be below 40,
indicating low potential ecological risk from these metals whereas Cd showed considerable
potential ecological risk and Co exhibited very high potential ecological risk. In the present
work, ERi values showed that Co is the major pollutant in the area which indicates that
agricultural management is a probable cause of heavy metals accretion. The potential
ecological risk index (RI) demonstrated that the study area had considerable ecological risk
considering the RI value in the range of 300–600.

Table 5. Metal pollution indices for collected soil samples from Ludhiana, Punjab (India).

Metal Igeo CF Cdeg mCdeg PI PLI ERi RI

Cd 3.18 13.57 40.22 6.70 15.90 26.41 407.14 533.74
Cr −1.68 0.47 0.94
Co 3.84 21.46 107.3
Cu −1.46 0.55 2.73
Pb 0.93 2.87 14.33
Zn −0.203 1.30 1.30

Igeo: geoaccumulation index; CF: contamination factor; Cdeg: degree of contamination; mCdeg: modified degree of contamination;
PI: Numerow’s pollution index; PLI: pollution load index; ERi: potential ecological risk factor; RI: potential ecological risk index.

3.6. Human Health Risk Assessment

The non-carcinogenic, hazard quotient (HQ), and hazard index (HI) of analyzed heavy
metals (Cd, Cr, Co, Cu, Pb, and Zn) through three exposure pathways, that is, ingestion,
dermal contact, and inhalation for adults and children were calculated and results were
shown in Table 6. The values of HQingestion, HQdermal, and HQinhalation for all studied heavy
metals were found to be lower than 1 for both adults and children and thus indicated that
there is no obvious risk to the population. The total carcinogenic risks (TCR) were calculated
only for Cr as cancer slope factors (SF) for all three exposure pathways (ingestion, dermal
contact, and inhalation) are not available for other heavy metals. The total carcinogenic
risk value was found to be in the range of the permissible limit of 1 × 10−6 to 1 × 10−4, as
provided by USEPA [28]. The results of cancer risk were shown in Figure 4.
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Table 6. Exposure values for non-carcinogenic risks for adults and children from different exposure pathways in the
study area.

Receptor
Exposure
Pathway

Cd Cr Co Cu Pb Zn

Adult

ADI ingestion 1.9 × 10−6 2.347 × 10−5 3.066 × 10−4 1.947 × 10−5 8.19 × 10−5 1.322 × 10−4

ADI dermal 5.786 × 10−8 7.147 × 10−7 9.335 × 10−6 5.929 × 10−7 2.494 × 10−6 4.0246 × 10−6

AID inhalation 1.788 × 10−10 2.209 × 10−9 2.885 × 10−8 1.833 × 10−9 7.708 × 10−9 1.244 × 10−8

Total 1.958 × 10−6 2.42 × 10−5 3.159 × 10−4 2.01× 10−5 8.440 × 10−5 1.36 × 10−4

HQ ingestion 1.9 × 10−3 7.824 × 10−3 1.533 × 10−2 4.868 × 10−4 5.85 × 10−2 4.406 × 10−4

HQ dermal 5.786 × 10−3 2.382 × 10−4 5.834 × 10−4 4.941 × 10−5 4.759 × 10−3 6.708 × 10−5

HQ inhalation 1.788 × 10−7 7.724 × 10−5 5.053 × 10−3 4.582 × 10−8 2.190 × 10−6 4.147 × 10−8

HI 7.686 × 10−3 8.139 × 10−3 2.097 × 10−2 5.362 × 10−4 6.326 × 10−2 5.077 × 10−4

Children

ADI ingestion 1.33 × 10−5 1.643 × 10−4 2.146 × 10−3 1.363 × 10−4 5.733 × 10−4 9.252 × 10−4

ADI dermal 2.128 × 10−8 2.629 × 10−7 3.434 × 10−6 2.181 × 10−7 9.173 × 10−7 1.480 × 10−6

ADI inhalation 3.731 × 10−10 4.609 × 10−9 6.020 × 10−8 3.823 × 10−9 1.608 × 10−8 2.595 × 10−8

Total 1.332 × 10−5 1.64567 × 10−4 2.149 × 10−3 1.365 × 10−4 5.742 × 10−4 9.267 × 10−4

HQ ingestion 1.33 × 10−2 5.477 × 10−2 0.1073 3.408 × 10−3 0.410 3.084 × 10−3

HQ dermal 2.128 × 10−3 8.763 × 10−5 2.146 × 10−4 1.817 × 10−5 1.751 × 10−3 2.467 × 10−5

HQ inhalation 3.731 × 10−7 1.611 × 10−4 1.054 × 10−2 9.559 × 10−8 4.569 × 10−6 8.651 × 10−8

HI 1.543 × 10−2 5.502 × 10−2 0.118 3.426 × 10−3 0.411 3.109 × 10−4

(ADI: Average daily intake; HQ: Hazard quotient; HI: Hazard index).

 

Figure 4. Distribution of carcinogenic risk of chromium (Cr) for adults and children in the study area. (CR; carcinogenic
risk; TCR: total carcinogenic risk).

4. Conclusions

The present study pertained to exploring the potential ecological risks of heavy
metals of textile effluents in soil samples in the vicinity of textile industries Ludhiana,
Punjab (India). The metal bioaccumulation potential of some plant species grown in its
environs was also explored. The Co content in untreated and treated effluent samples
indicated the possibility of accumulation of cobalt in agricultural soil samples and plant
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samples in the vicinity of textile industries, which is a serious matter of concern. The
genotoxicity assay showed that treated as well as untreated effluents of both industries
induced chromosomal aberrations and the percent aberrations in treated samples were
significantly lower than untreated samples. The heavy metal bioaccumulation factor
analysis showed that phytoremediation using wildly grown plants like Ricinus communis L.,
Chenopodium album L. and Cannabis sativa L., can be one of the environmentally friendly
techniques for cleaning contaminated soil environs. Furthermore, Igeo and CF revealed
that heavy metals showed no contamination to extreme contamination in the studied soil
whereas Cdeg, PI, and PLI indicated extreme pollution. The results of ERi studies indicated
that Co is the prime metal responsible for ecological threats in the study area. It is also
emphasized that bioanalytical tools such as the Allium cepa root chromosomal aberration
assay should be incorporated along with chemical analysis for evaluating the efficacy
of industrial effluent treatment plants so as to indicate the harmful consequences in the
biological systems.
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Abstract: Shooting ranges are among the major anthropogenic sources of Pb contamination in soils
worldwide. Once they have reached the soil, bullet residues can have different fates according to the
characteristics of the soil environment, leading to the formation of different Pb weathering products
whose stability is crucial for Pb accessibility to soil biota. In this study, Pb availability in a former
polluted shooting range was investigated with a combination of conventional soil analyses, X-ray
microanalyses and assays with the bio-indicator earthworm Eisenia andrei. Chemical extractions
evidenced a rather low mobility of soil Pb, while micro-X-ray fluorescence spectroscopy (μXRF) and
scanning electron microscopy coupled with microanalysis (SEM-EDX) showed the formation of a
weathering crust around Pb-containing bullet slivers dispersed within the soil. Such crusts consisted
of a mixture of orthophosphates, including the highly insoluble Cl-pyromorphite. Furthermore,
no acute toxicity effects and low Pb concentration values were measured in earthworm tissues
(94.9 mg kg−1) and coelom fluids (794 μg L−1) after 28 days of exposure to the polluted soil. These
results allow us to assume that most of the Pb in the shooting range soil underwent stabilization
processes promoted by phosphatic fertilization. The soil was in fact used for agriculture after being
dismissed for firing activities. Such a combined approach can be applied to study Pb bioavailability
in other shooting ranges or, more generally, in soils heavily polluted with Pb.

Keywords: firing ranges; Eisenia andrei; micro-X-ray fluorescence; SEM-EDX; Pb phosphates;
pyromorphite

1. Introduction

Lead (Pb) is a non-essential and non-beneficial element whose average content in
uncontaminated soils worldwide is estimated to equal 17 mg kg−1 [1]. However, an-
thropogenic sources, such as mining and smelting, shooting ranges, automobile exhausts
and sewage sludges, can cause Pb contamination in quantities up to several thousand
mg kg−1 with huge risks for the environment and human beings. For instance, exposure
to Pb-contaminated soil and ingestion of soil Pb-bearing particles and dusts has been
indicated as the major pathway for Pb poisoning in children, which can pose risks for
cognitive development and various diseases [2]. Despite Pb being quite stable in soils due
to strong complexation or adsorption by humic substances, clay minerals and Fe oxides [1],
plants and other soil inhabitants can suffer from Pb exposure, with lethal effects [3–5]. Pb
can accumulate in their tissues and thereby be transferred to higher levels of the trophic
chain [6].

In recent years, various studies have demonstrated the advantages of laboratory and
synchrotron micro-X-ray florescence (μXRF) and hyperspectral elaboration of μXRF data in
investigating the distribution and speciation of potentially toxic elements (PTEs) in polluted
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soils [7–14]. Indeed, through the assessment of element distributions in soil thin sections
and their mutual correlations it is possible to infer, for instance, chemical speciation and
mineralogical information, which are crucial especially for those (minor) phases otherwise
not detectable with other techniques (e.g., X-ray diffraction) due to their weak abundance
and/or crystallinity. Such outcomes can be further combined with more detailed observa-
tions at the sub-micrometric scale by means of scanning electron microscopy coupled with
microanalysis (SEM-EDX), which additionally allows the detection of light elements not
observable by μXRF. However, if, on the one hand, soil microanalysis offers an effective tool
for predicting PTE behaviour and mobility based on chemical speciation or associations
with soil phases, on the other hand, the use of bio-indicator species allows the appraisal of
the actual impact of the pollutant on soil organisms. For decades, earthworms have been
elected as the favoured bio-indicators in soils because of their peculiar living and feeding
mode. Indeed, they are intimately exposed to soil-bound contaminants through integument
contact and ingestion [15]. Moreover, earthworms accumulate pollutants in their bodies at
higher rates than other soil organisms [16,17]. The combination of soil microanalysis and
earthworm bioassays can therefore be used to evaluate the occurrence and speciation of
PTEs in soil as well as their bioaccessibility.

In the present study, Pb bioavailability in a polluted soil (1575 mg Pb kg−1) from
a former shooting range area (Acerra, Italy) was studied using a synergistic approach
combining: (a) physicochemical characterization through conventional analytical methods;
(b) soil microanalysis by μXRF and SEM-EDX observations; (c) toxicological tests using
earthworms Eisenia andrei Bouché. The outcomes obtained from this research could be
useful in assessing the actual environmental risks of Pb contamination in the area under
investigation as well as devising possible remediation strategies.

2. Materials and Methods

2.1. Soil Sampling and Physicochemical Characterization

The polluted soil (S2) was collected at the former shooting range of Acerra (40◦59′37.74′′ N;
14◦24′7.27′′ E), district of Naples, Southern Italy. The shooting range covered an area of
approximately 6 ha and was dismissed in 2003 after about 10 years of activity. Once
abandoned, the site has been colonized by spontaneous vegetation and then used for
agricultural production from 2011 to 2014 and finally confiscated by Regional Authorities.
In 2019 the site was assigned to the University of Naples for developing a phytoremediation
project as part of the activities of the Rizobiorem project. A huge amount of bullet residues,
mainly in the form of metallic slivers, was dispersed in the ground, featuring levels of Pb, Sb
and polycyclic aromatic hydrocarbons (PAH) exceeding the national regulatory thresholds
for agricultural sites (Ministerial Decree n. 46/2019) [18]. An agricultural uncontaminated
soil (S1) in the close vicinity of the shooting area was sampled and used as a reference
control soil. Both S1 and S2 were collected (2019) in three replicates at 0–20 cm soil layer
after removing the very superficial undecomposed litter. Soil samples were air-dried and
sieved through a 2 mm mesh.

The soil physicochemical characterization included the following parameters: particle
size distribution (pipette and sieving method) [19]; electrical conductivity (1:5 soil:water
solution ratio) [20]; pH H2O (1:2.5 soil:water solution ratio, pH meter GLP 22, Crison TM);
calcium carbonate (titrimetric method [21]); total nitrogen (Kjeldahl); available phospho-
rous (Olsen); and organic carbon (Walkley and Black) [22]. Furthermore, the promptly
bioavailable fraction of PTEs was estimated by ammonium nitrate extraction [23,24] and
the pseudototal PTE contents were quantified by aqua regia digestion (ISO 12914) and
ICP-MS (PerkinElmer Nexion 300, Waltham, MA, USA) [25,26]. Pseudototal PTE content
was compared to screening values (SV) reported in Italian M.D. 46/2019.

Soil main minerals were determined by means of X-ray powder diffraction (XRPD)
using a Miniflex II X-ray diffractometer (Rigaku Corporation, Tokyo, Japan) equipped with
a Cu tube (Cu Kα, 30 kV, 15 mA). Data were acquired between 3 and 70◦ 2θ with a step
width of 0.02◦ 2θ and a counting time of 3 s/step.
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2.2. Soil μXRF and SEM EDX Analyses

Petrographic soil thin sections (30 μm thickness) of both control and polluted soils
were prepared after embedding the soils in epoxy resin (L.R. White Resin, Polyscience
Europe GmbH, Hirschberg an der Bergstrasse, Germany) [7] and were analysed with a
micro-X-ray fluorescence spectrometer (μXRF, M4 Tornado, Bruker Nano GmbH, Berlin,
Germany). Elemental distribution maps were acquired under vacuum (20 mbar) using a Rh
tube X-ray source (50 kV, 600 μA, 30 W, spot size of 25 μm) with policapillary optics and two
30 mm2 XFlash® silicon drift detectors. Micro-X-ray maps were collected with a step size of
25 μm and an acquisition time of 10 ms per pixel. Details of Pb slivers were acquired with a
smaller step size (5 μm) and by repeating the scanning 5 times to increase the signal-to-noise
(S/N) ratio. X-ray fluorescence hyperspectral data were processed using both Bruker M4
software and a combination of PyMca 5.1.3 (Copyright (c) 2004–2019 European Synchrotron
Radiation Facility (ESRF), Grenoble, France) [27] and Datamuncher software [28] in order
to evaluate both element distribution and correlations. Furthermore, a field emission gun
(FEG) SEM Zeiss Σigma 300 VP (Zeiss Oberkochen, Oberkochen, Germany) was used to
observe the samples with a sub-micrometric resolution. The instrument, working at 15 kV,
was equipped with an energy-dispersive spectrometer (EDX) C-MaxN SDD with an active
area of 20 mm2 (Oxford Instruments, Oxford, UK).

2.3. Earthworm Testing and Analysis

Soil mesocosms of S1 and S2 were prepared in triplicate using plastic boxes con-
taining approximately 500 g of soil (dry weight, sieved at 2 mm), following the OECD
guidelines [29]. Ten mature (clitellate) earthworms of E. andrei (provided by our labora-
tory stockbreeding) of about 350−400 mg individual weight were introduced into each
mesocosm after 24 h of gut depuration in Petri dishes (in the dark at 22 ± 2 ◦C). The
mesocosms were then placed in an incubator chamber (21 ± 1 ◦C, 65 ± 5% RH) for 28 days,
adjusting the moisture content when required. Finally, the earthworms were recovered,
cleaned, purged for 48 h (in Petri dishes on a wet filter paper), rinsed with deionized
water and weighed. Five specimens per mesocosm were used for tissue bioaccumulation
analyses, while the other five individuals were used for coelom fluid extrusion and anal-
ysis. Lead concentration in earthworm tissues and in the coelom fluid were determined
using a total reflection X-ray fluorescence spectrometer (S2 Picofox—Bruker Nano GmbH,
Berlin, Germany) equipped with a Mo microfocus tube (30 W, 50 kV, 600 μA), a multilayer
monochromator and a XFlash SDD with a 30 mm2 active area. For Pb determination in
tissues, samples were dried (48 h, 50 ◦C) and finely ground using a mixer mill (MM 400,
Retsch GmbH, Haan, Germany). Then, suspensions were prepared, with 50 mg of each
specimen placed in a 15 mL polypropylene centrifuge tube to which 2.5 mL of Triton
X-100 (Sigma-Aldrich, Darmstadt, Germany) was added along with 10 μL of a 1000 μg L−1

yttrium (Y) standard solution (Sigma-Aldrich) as internal standard (IS). Coelom fluids were
extruded, applying a voltage of 5 V for 3 s to each earthworm. Then, 10 μL of the extruded
fluid was mixed with 80 μL of polyvinyl alcohol (PVA) and 10 μL of Y standard solution,
as IS. All samples were analysed for 1000 s (live time) following the method described
in [30,31]. The average weight of the earthworms before and after the testing period was
calculated by dividing the mass of all earthworms by their number for both S1 and S2
mesocosms. The bioconcentration factor (BF) was calculated by dividing tissue mean Pb
concentration by total Pb concentration in the soil.

3. Results and Discussion

3.1. Soil Main Properties

Soil physicochemical properties for both S1 and S2 are reported in Table 1. Both S1 and
S2 were sandy loam soils with slightly alkaline pH according to USDA classification [32].
The organic matter (OM) content was higher in S2 (53 g kg−1) than in S1 (31 g kg−1). In
addition, the available P was higher in S2 (P2O5 = 0.60 g kg−1), almost double that of S1. As
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for the total carbonate content, S1 was highly calcareous and S2 was moderately calcareous.
Both soils were non-saline according to their EC values.

Table 1. Physicochemical properties of the unpolluted (S1) and polluted (S2) soils.

Sand Silt Clay pH (H2O) EC OC a OM b N C/N CaCO3 P2O5

g kg−1 dS m−1 g kg−1 g kg−1 g kg−1 g kg−1 g kg−1

S1 600 240 160 7.8 0.21 18 31 2.2 8 155 0.29
S2 590 265 145 7.4 0.21 30 53 2.5 12 70 0.60

Cd Sb Pb Zn Cd * Sb * Pb * Zn *
mg kg−1 mg kg−1 mg kg−1 mg kg−1 mg kg−1 mg kg−1 mg kg−1 mg kg−1

S1 0.3 0.3 17 209 0.03 0.61 0.01 0.3
S2 3.3 22.7 1575 328 0.15 6.36 0.02 1.3
SV 5 10 100 300 n.a. n.a. n.a. n.a.

a Organic carbon. b Organic matter. * NH4NO3 extractable. SV screening value M.D. n. 46/2019; n.a.: not available.

The soils showed similar mineralogy, the main minerals detected being silicates and
aluminium silicates, such as quartz, feldspars, albite and illite/muscovite. The presence of
calcite and apatite group minerals was also observed. No Pb-bearing phases were detected
by XRPD. The concentrations of Sb, Pb and Zn in S2 were higher than the national screening
values (SV) for agricultural soil [18]; in particular, Pb concentration was 1575 mg kg−1

compared to a SV of 100 mg kg−1.

3.2. Soil Microanalysis

Micro-XRF was used to map and compare elemental distributions in soil thin sections
of both the control and the polluted soil (Figure 1). The major elements, e.g., Al, Si, P, S, K,
Ca and Fe, occurred with similar abundances and correlations in the two soils and could
be attributed to the soil mineral constituents. Based on XRPD analysis, the overlapping
distribution of Al, Si and K testifies to the presence of aluminium silicates, while the
dark blue Si-containing particles in Figure 1 (middle panels) are instead related to quartz
grains. Calcium is mainly associated with P (purple particles, Figure 1, right panels),
presumably forming calcium phosphate phases, such as apatite; in other particles, Ca
occurs uncorrelated with other elements, hence it is likely attributable to calcite (pure red
particles, Figure 1, right panels), since C and O cannot be detected by XRF.

As expected, Pb was detected only in the polluted soil (S2), concentrated in particles
ranging in size from hundreds to thousands of microns, visible as green areas (Figure 1b,
right). Except for P, no other element was correlated with Pb. Several Pb-containing
particles were then selected on the PTE-polluted soil thin sections and analysed again
with increased resolution and accuracy in order to better investigate the nature of these
Pb-containing particles as well as Pb vs. P correlations.

In Figure 2, the results of the μXRF hyperspectral data analysis performed on three Pb-
containing particles, selected as the most representative, are shown. For each particle, the
optical image is coupled with its false-colour map, which depicts the correlation between
Pb and P fluorescent signals detected at the particle section surface.

From the scatterplot of the intensities (expressed as counts) of the Pb L-lines and P
Kα-lines recorded in each pixel of the three micrographs shown in Figure 2, five main P/Pb
correlations were identified and grouped with different colours (Figure 2a). The green
region of the scatterplot contains those pixels containing almost only Pb, while the yellow,
magenta, red and blue regions contain those pixels with an increasingly higher content of
P, beside Pb. By applying such colour-based segmentation to the Pb-particle micrographs
(Figure 2b–d, right), it can be generally observed that, starting from the inner only-Pb-
containing core (green areas of the particles), the P amount gradually increases towards
the particle boundaries, with the higher P/Pb signal ratio (blue) observed at the border
of the particle. Such a pattern is clearly visible for the particle shown in Figure 2c (right),
while such distribution is slightly more structured in the other particles (Figure 2b,d, right).
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This depends on the particles shape and on the cutting section, which was reasonably
diametrical for particle (c) and more external for the others. By looking at the composition
of the particles and at their morphology with a light microscope, they appear as metallic
Pb slivers deriving from bullet residues. Indeed, many bullet residues are still present in
the investigated soils. Furthermore, the comparison between the correlation maps and
their corresponding light micrographs (Figure 2b–d, left) shows other additional interesting
features: in the case of Figure 2c, for instance, the sliver shows a Pb-rich nucleus (sliver core)
which appears pale in visible light, becoming darker as the P/Pb ratio increases moving
toward the borders of the particle.

 

Figure 1. Thin section images (left) and corresponding μXRF maps (middle, right) of S1 (a) and S2
(b) soils. ((a,b) middle panels) Overlay of Al (green), Si (blue) and K (orange) distribution maps.
((a,b) right panels) Overlay of P (blue), Ca (red) and Pb (green) distribution maps. Brighter pixels
correspond to higher element concentrations. The co-presence of two or more elements in the same
pixels gives rise to different degrees of colour combinations.
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Figure 2. (a) P (K fluorescent signal) vs. Pb (L fluorescent signal) scatterplot obtained using spectral
μXRF deconvolution data of (b–d) particles. (b–d) particles micrographs (left) and related correlation
maps (right) coloured according to the different P/Pb correlations identified through the scatterplot (a)).

Other interesting correlations observed after spectral deconvolution are those between
Cl and P and between Ca and P, shown in the scatterplots in Figure 3a,c. Although with
low intensity, the Cl–K signal is correlated with that of P (Figure 3a) and is not detected
where only the Pb signal is present (without P; grey regions in Figure 3b). Chlorine is
located only in the portions of the particles where P was also detected. The scatterplot in
Figure 3c instead shows three main Ca–P correlations grouping pixels whose Ca content is
yellow < green < red. By looking at the corresponding false-color micrographs (Figure 3d),
the primary evidence is that such Ca–P correlations occur in the same pixels where also
P–Pb and Cl–P correlations were observed. Moreover, it can be noticed that the higher Ca
intensities are located at the very external borders of the Pb-containing particles whilst they
decrease as they move towards the inner part (green > yellow).

Beside P, Ca and Cl, no other chemical element has been detected within these Pb-
containing fragments. The ubiquitous occurrence of P and Ca should indicate the presence
of Ca phosphates (or even Cl apatite), while the presence of P and Cl, together with Pb
should be attributed to the formation of Pb phosphates over the metallic slivers, such
as secondary and tertiary Pb phosphates (Pb2HPO4 and Pb3(PO4)2, respectively) and/or
pyromorphite. The latter refers to three species, depending on the anion X in the struc-
ture Pb5(PO4)3X (namely, chloropyromorphite, where X = Cl−; hydroxypyromorphite,
where X = OH−; and fluoropyromophite, where X = F−). Unfortunately, neither F nor
O and H can be detected by μXRF, therefore none of these three forms can be excluded,
chloropyromorphite most likely being present.

Lead orthophosphates, above all pyromorphite, are highly insoluble phases. In 1932,
Jowett and Price [33] determined an extremely low solubility product (Ksp) of 10−79.115

for Pb5(PO4)3Cl, which is the most insoluble Pb orthophosphate known. In the same
study, the authors demonstrated that secondary and tertiary orthophosphates transform to
pyromorphite even in the presence of low chloride concentrations, thus explaining the fact
that, while the first two phases are not found in nature, pyromorphite is rather common.
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Subsequent studies [34,35] proposed for Pb5(PO4)3Cl the Ksp of 10−25.05 for soil with a pH
in the usual range. However, even considering the higher value of 10−25.05, pyromorphite
can be still considered several orders of magnitude less soluble than the most common
Pb minerals in soils [2]. Indeed, the use of phosphates for amending Pb-polluted soils
is a well-known and common remediation practice. By promoting the formation of Pb
insoluble species, such as pyromorphite, phosphate addition leads to the reduction of Pb
bioavailability and toxicity [2,36].

 

Figure 3. (a) Cl (K fluorescent signal) vs. P (K fluorescent signal) and (c) Ca (K fluorescent signal)
vs. P (K fluorescent signal) scatterplots obtained using spectral μXRF deconvolution data of the
three particles of Figure 2. (b,d) The three particles colored according to the different Cl–P and Ca–P
correlations identified through the scatterplots (the background grey micrographs corresponding to
Pb–L signals).

SEM-EDX results (Figure 4) also confirmed μXRF observations and allowed us to
investigate additional features of the Pb particles and P-bearing encrustations. In the
backscattered electron (BSE) image in Figure 4a (left), the darker grey regions, mainly
present at the particle boundaries, indicate an average lower Z, thus the presence of
lighter elements in addition to Pb. As shown by the corresponding EDX layered image
(Figure 4a, right) and spectrum (Figure 4d1), this latter being relative to the white point
analyses reported in the EDX image (Figure 4a, right), these low Z elements are P, Ca
and Cl. In Figure 4b, which depicts a detail of the P-bearing regions, a cluster of darker
grains (identified mostly as K-feldspars) ranging from a sub-micrometric scale to several
micrometres in size is dispersed in a binding light grey matrix. Such matrices contain Pb, P,
Ca and Cl together with Si and Al, these latter attributable to silicate fragments (region 2
and related spectrum). In Figure 4c (right), the ubiquitous occurrence of Pb, P, Ca and Cl is
noticed in a compact region (spectrum d3) and within an aggregate-like structure, as well
as in Figure 4b. In both Figure 4b,c, inner portions show almost only the presence of Pb
(spectrum d4).
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Figure 4. (Left panel) BSE micrographs of a Pb-containing particle. (b,c) Higher magnification details
of the weathering crust of the particle shown in (a). (Middle panel) EDX layered images. (d, right

panel) EDX spectra of the points (white in (a)) and/or regions (yellow numbers in (b,c)) indicated
within the middle panel: (1) typical EDX spectrum of the P-bearing coating at particle boundaries;
(2) Pb–Ca phosphates matrix in a silicate environment forming an aggregate-like structure; (3) com-
pact Pb and Ca phosphate solid solution; (4) metallic or weakly weathered Pb.

The μXRF and SEM-EDX results described so far suggest that a weathering shell
formed over time around the metallic slivers arising from the past firing range activities.
Such shells consist, perhaps, of a mixture of Ca phosphate and Pb orthophosphate species,
among which it has been possible to distinguish chloropyromorphite. Previous studies
demonstrated that Pb stabilization as pyromorphite occurs through an intermediate Pb
and Ca solid solution upon hydroxyapatite (HA) dissolution. Such an intermediate phase
(Pb(10-x)Cax(PO4)6(OH)2–PbCaHA–) transforms into pyromorphite over time through Ca2+

exchange by Pb2+ [37–39]. In the studied slivers (Figures 2 and 3), the different correlations
found between P–Pb and Ca–P seem to suggest a layering within the weathering crust, the
lower Ca signal intensity indicating higher rates of Pb2+ substitution in the inner layers
and hence a higher presence of pyromorphite. The external layers, which feature the
highest Ca–P and P–Pb correlations, suggest early stages of PbCaHA formation. These
sliver coatings can be further considered rather stable under the soil pH conditions. Indeed,
the pH value of 7.4 measured in the polluted soil (Table 1) falls well within the pH range
3–11 in which chloropyromorphite has been found to be the most stable Pb species [36].
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It could be argued that neutral to sub-alkaline pHs are yet inhibitory for pyromorphite
formation due to the reduced solubility of P, which lowers both the kinetics and rate of Pb
stabilization [40]. Conversely, more acidic conditions and hence soluble orthophosphate
ions are required to react with Pb and precipitate pyromorphite [41]. However, a high
amount of available P was measured in the soil (Table 1), and soil micro-XRF mapping
also confirmed a high occurrence of P, either correlated with Ca or not: such P could have
contributed to pyromorphite formation and, consequently, to Pb stabilization. Among the
most common P forms in soil, apatite and phosphate rock are quite insoluble at neutral pHs.
By contrast, P fertilizers, such as monocalcium and dicalcium phosphate (Ca (H2PO4)2 and
CaHPO4, respectively), decrease soil pH upon dissolution, increasing the solubility of both
P and Pb [40]. Based on these observations, it can be hypothesized that in the studied soil,
which was used for agriculture after being dismissed as a shooting range, stabilization
processes were triggered by soil phosphatic fertilization. The temporary soil acidification
would have favoured pyromorphite precipitation at the fragment surfaces, thus protecting
metallic Pb from further weathering processes and, at the same time, strongly limiting
the possible mobilization of this hazardous element. Indeed, despite in alkaline and sub-
alkaline conditions, the most commonly weathering phases of Pb bullet residues found
in shooting ranges are lead carbonates and oxides (e.g., cerussite and litharge) [40], other
previous studies showed the natural formation of pyromorphite in Pb-rich soils with high
concentrations of available phosphates [42,43].

3.3. Bioassays with E. andrei

Considering the similarity of the physicochemical characteristics of S1 and S2 soils
(Table 1), it may be hypothesized that the earthworm testing results could be only minimally
influenced by the different soil properties (mainly the OM and carbonate content). In
addition, the pH values of S1 and S2 (7.8 and 7.4, respectively) allow us to exclude pH-
shock effects for earthworms, since they prefer circumneutral soils, even if E. andrei could
also tolerate acidic conditions [44].

All earthworms survived after the 28-day exposure period, evidencing no acute
toxicity effects, as previously experienced by other authors for similar background concen-
trations [5]. Moreover, the average weight of the earthworms increased after 28 days to a
similar extent in both S1 and S2 mesocosms (t-test, p < 0.05). On the other hand, earthworms
introduced into the polluted mesocosm accumulated significantly higher amounts of Pb
in tissues and coelom fluid than the control (p < 0.01). Morgan and Morgan [45] found a
positive correlation between Pb tissues and soil concentrations, different to other potentially
toxic metals, such as Cu, Zn and Cd, whose tissue concentrations decreased proportionally
as their soil concentrations increased. However, differently from these elements, Pb concen-
trations in earthworm tissues were generally below the soil Pb concentration, due to the
higher retention of Pb by organic and inorganic soil components [46]. Even if the Pb tissue
concentration of earthworms grown in S2 exceeds by ten times that of animals grown in the
control soil, the bioconcentration factor (BF) obtained for S2 is very low (Table 2). Indeed, in
a comprehensive study on Pb uptake in earthworms exposed to Pb-polluted soil, Langdon
et al. reported a Pb tissue concentration of 266, 406 and 637 mg kg−1 (with corresponding
BFs of 0.27, 0.14 and 0.16) for E. andrei exposed to 1000, 3000 and 4000 mg Pb kg−1, respec-
tively [5]. Based on these findings, an average uptake of approximately 300 mg Pb kg−1 in
earthworm tissues exposed to S2 (1575 mg Pb kg−1) should be expected, but it was only
95 mg kg−1 (Table 2). However, in the OECD-style experiments carried out by Langdon
et al., Pb mesocosm contamination was obtained by artificially spiking the testing soils with
aqueous solutions of Pb(NO3)2: this would imply higher Pb availability (and hence possibly
higher Pb accumulation rates) than in field-collected soils, in which Pb can be already at
least partly stabilized through complexation or adsorption to soil components (therefore
less bioaccesible). Nonetheless, even by applying the regression equation proposed by
Morgan and Morgan (e.g., log10Pbworm = −1.073 + 1.042 log10Pbsoil), who instead worked
with field-collected soils [45], the Pb uptake should be at least two times higher than our
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experimental data. The value found for the control soil (11 mg kg−1) is instead consistent
with Langdon’s results and explainable as the normal trace amount of Pb in the organisms.

Table 2. Results of bioassays with E. andrei in the unpolluted (S1) and polluted (S2) soils. Ecotoxicol-
ogy data (mean value ± standard deviation, n = 5) with different letters in the column are statistically
different according to t-testing (p < 0.05).

Pb Concentration
in Soil

Mortality Mean Earthworm Weight
Pb Mean Earthworm
Tissue Concentration

Bioconcentration
Factor

Pb Mean Earthworm
Fluid Concentration

mg kg−1 g mg kg−1 μg L−1

Day 0 Day 28

S1 17 0 0.36 ± 0.04 ns 0.43 ± 0.04 ns 11.1 ± 2.2 b - 251.8 ± 55.4 b
S2 1575 0 0.35 ± 0.06 ns 0.44 ± 0.07 ns 94.9 ± 19.8 a 0.06 794.4 ± 232.2 a

ns: Not significant.

Total PTE concentration in coelom fluid has been proposed in previous studies as a
bioavailability indicator [30,31,47]. Differently from the determination of total concentration
in tissues, PTE quantification in fluids is not affected by possible soil residues entrapped
in the gut [48]; furthermore, it is a less laborious and time-consuming procedure, and
it is unnecessary to kill the animals. Looking at our results (Table 2), the increase of Pb
in coelom fluid would suggest some metal sequestration mechanisms occurring within
the chloragogenous tissue, which surrounds the earthworm gut epithelium, by means
of metal-binding metal-inducible cysteine-rich metalloproteins, namely, metallothioneins
(MTs) [49]. Albeit Pb is not recognized as a MT-inducer [50], it was detected together with
Cd and Zn in the chloragogenous tissue of earthworms collected from an abandoned Zn–Pb
mine in Draethen (UK), by means of proton-induced X-ray emission analysis (PIXE) [51].
In such work, Morgan et al. evidenced the primary role of Cd (and much less of Zn) in
inducing MT expression in earthworms living in heavily polluted soil. This would match
the possible scenario of the firing soil studied in this work and could probably explain the
Pb accumulation in coelom fluids. Indeed, besides Pb, high levels of Cd, Sb and Zn (which
are elements related to the past firing activity) have been detected in S2 soil (Table 1) and
could have worked as MT inducers, thus favouring Pb binding, also.

Overall, the results of earthworm tests seem to depict a very limited bioavailability for
soil Pb. On the one hand, neither mortality nor weight decrease was observed; rather earth-
worms grew over the 28-day experimental period. On the other hand, Pb bioconcentration
in tissues was lower than reported in the literature for similar soil Pb concentrations, whilst
a relevant amount of Pb in the coelom fluids suggested a metal-induced metal-sequestration
mechanism. Such findings appear in accordance with the results of the soil characterization
and microanalyses, which showed a negligible NH4NO3-extractable Pb fraction (Table 1)
and predominant Pb stabilization by phosphates. Indeed, significant correlations between
promptly bioavailable metal fractions in soils (including Pb) and their bioconcentration in
earthworms have been indicated in previous works [52]. In addition, the high amount of
OM in S2 (Table 1) may have contributed to limiting Pb bioavailability. At the same time,
the formation of pyromorphite makes Pb inaccessible in the gastrointestinal tract, since
these phases remain insoluble even after ingestion [2]. Formation of pyromorphite may
also occur inside the intestine in the presence of phosphate, thanks to gastrointestinal acidic
conditions [40]. These latter considerations would further confirm a low Pb accessibility in
the studied case on the base of P availability.

4. Conclusions

The combination of soil microanalyses and earthworm bioavailability testing proposed
in this study allowed us to comprehensively assess Pb occurrence and distribution in the
investigated shooting range soil, suggesting a rather limited mobility and bioaccessibility
of Pb. In these soils, Pb occurred as metallic slivers, which over time underwent weathering
processes resulting in the formation of a phosphate superficial crust, in some cases encap-
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sulating other soil materials within, such as small silicate minerals. The coexistence of Pb
and Ca, combined with different ratios to P, suggested Pb2+ to Ca2+ exchange mechanisms,
hence the stabilization of Pb into Pb orthophosphates. These latter were attributed to
insoluble Cl pyromorphite formation due to the presence of Cl in the weathered regions
of the particles. The occurrence of these processes is likely to strongly reduce Pb mobility
and leachability in the studied soil. Earthworm bioassays confirmed this prevision, since
exposure to the contaminated soil did not show acute toxicity effects (although not in the
aims of the present study, these toxicity results can be extended to the other PTEs found in
the investigated soils, i.e., Cd and Sb) nor high levels of Pb bioconcentration. Additional
tests would be required to investigate chronic exposure effects and/or plant availability.
Based on the overall results of this study, we believe that the approach pursued in this
work could be successfully used for other polluted soils.
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Abstract: In a model experiment, some adaptive characteristics, the bioaccumulation of toxic elements
from technogenically-contaminated soils with polyelement anomalies, and rhizosphere microflora of
Japanese millet, Echinochloa frumentacea, were studied using biochemical, microbiological, physico-
chemical (AAS, ICP-MS, INAA), and metagenomic (16S rRNA) methods of analysis. Good adaptive
characteristics (the content of photosynthetic pigments, low molecular weight antioxidants) of E. fru-
mentacea grown on the soils of metallurgical enterprises were revealed. The toxic effect of soils with
strong polyelement anomalies (multiple excesses of MPC for Cr, Ni, Zn, As, petroleum products) on
biometric parameters and adaptive characteristics of Japanese millet were shown. The rhizosphere
populations of E. frumentacea grown in the background soil were characterized by the lowest tax-
onomic diversity compared to the rhizobiomes of plants grown in contaminated urban soils. The
minimal number of all groups of microorganisms studied was noted in the soils, which contain the
highest concentrations of both inorganic (heavy metals) and organic (oil products) pollutants. The
taxonomic structure of the rhizospheric microbiomes of E. frumentacea was characterized. It has
been established that E. frumentacea accumulated Mn, Co, As, and Cd from soils with polyelement
pollution within the average values. V was accumulated mainly in the root system (transfer factor
from roots to shoots 0.01–0.05) and its absorption mechanism is rhizofiltration. The removal of Zn by
shoots of E. frumentacea increased on soils where the content of the element exceeded the MPC and
was 100–454 mg/kg of dry weight (168–508 g/ha). Analysis of the obtained data makes it possible
to recommend E. frumentacea for phytoremediation of soil from Cu and Zn at a low level of soil
polyelement contamination using grass mixtures.

Keywords: Echinochloa frumentacea; contaminated soils; toxic elements; heavy metals; adaptation;
AOS; ascorbic acid; GSH; phytoremediation; bioaccumulation; rhizosphere microflora

1. Introduction

Global climate changes, pollution levels, and high-impact farming have induced a
strong decline in soil quality, making the sustainable use of land more challenging than in
the past [1]. For soils contaminated with trace element (TE) there are various phytomanage-
ment options for reducing the environmental risks. Phytoextraction in conjunction with
the application of conditioners can be considered as the way to minimize the dispersion
and biological action of TE on soil and to increase vegetation cover on polluted soils [2–4].

Soil Syst. 2022, 6, 27. https://doi.org/10.3390/soilsystems6010027 https://www.mdpi.com/journal/soilsystems159



Soil Syst. 2022, 6, 27

Recently, the cultivation of non-food crops for the production of plant-based feedstock, the
bioremediation of metal-contaminated soils, and risk management have been developing
at the field scale [5–9].

Chemically-induced hyperaccumulation is impaired by various environmental risks,
e.g., metal leaching from the root zone and toxic effects on the microbiome [7,10]. Regard-
ing secondary TE accumulators, the desirable characteristics for these plant species are
(1) relatively fast growth and high biomass; (2) extended root system for exploring large
soil volumes; (3) good tolerance to high concentrations of TE in plant tissues; (4) high
translocation factor; (5) adaptability to specific environments/sites; (6) easy agricultural
management [11], (7) good interaction with associated bacteria [12,13].

Global climate change makes it possible to introduce relatively thermophilic new
biomass crops for phytoremediation, especially species of the Poaceae family [14]. These
plants, due to C4 assimilation pathways [15], are of particular interest for phytoremediation
due to the production of significant biomass and, as a consequence, the accumulation of
significant amounts of carbon and heavy metals.

The selective accumulation of Pb, Cu, Zn, and Cd in the roots and the possibility
to remove the root remains makes technical sorghum, sugar sorghum, and Sudan grass
extremely suitable for phytoremediation purposes [16]. Some sorghum cultivars show a
high antioxidant status during the bioaccumulation of Pb and Cu on anthropogenically
disturbed substrates with polyelement contamination [17].

The capacity of Miscanthus species to accumulate inorganic contaminants into the root
system and to reduce the dissipation of persistent organic contaminants makes them good
candidates for soil phytostabilization and phytodegradation. The noninvasive hybrid Mis-
canthus giganteus, with high lignocellulosic content, has a high potential in the biorefinery
and bioenergy industries [18]. The applicability of Arundo donax for cadmium removal
from contaminated soil and water was shown by Sabeen et al. [19].

Echinochloa frumentacea is a cost-effective crop through seeds and biomass production.
It can be applied for sustainable crop rotation for the enhancement of soil development
processes, nutrient cycles, and microbial community.

Echinochloa frumentacea was previously described as an effective extractor (As) ([20],
responsive to fertilizers, hymexazole, and rhizobacteria inoculation [21]. There is the experi-
ence of using this species in the phytoremediation of polyelement-contaminated substrates
such as the stabilization of municipal wastewater sludge [22] and phytoremediation of
soil contaminated with cadmium, copper, and polychlorinated biphenyls [23]. Echinochloa
species can also be used efficiently for chromium and cadmium extraction [24].

Other advantages are the sufficient diversity of varieties, their high seed germination
(up to 10 years), that they develop well on soils poor in mineral nutrition, give from two
to eight mows, and provide grain and green mass with average yields of 1.5–3 t/ha and
30–50 t/ha, respectively. The latter fact is very important for effective phytoextraction since
TE removal by plants arises from two factors: (1) TE concentration in dry plant tissue [25]
and (2) the amount of harvested biomass [9].

The acceptable concentration of TEs in plant raw material significantly expands the
area of its valorization. Potential plant-based products are (1) non-food products such
as biofuels [26], fibers, wood, essential oils, etc., and (2) animal feed, depending on the
contamination level. Plant parts generally accumulate metals to different degrees [27], and
some parts are usually less contaminated and may often be used for consumption or at
least for non-food purposes even if the plant has been grown on contaminated or marginal
soil [28]. Seeds generally accumulate the lowest TEs concentrations in a plant [29].

Other harvestable parts can be used in various processes, i.e., composting to fertilize
TE-deficient soil, incineration, ashing, vacuum and oxidative pyrolysis, liquid extraction,
the synthesis of hydrogen fuel, biofuels such as bioethanol, biogas, and activated carbons,
hydrothermal oxidation, gasification, etc. In addition, metals can be recovered and reused
for economic purposes by phytomining [30].
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The objective of this study is to determine the phytoremediation potential and prospects
for the use of Echinochloa frumentacea on urban soils with polyelement anomalies (especially
for large urbanized ecosystems with high levels of industrial and vehicular pollution).
During the study, the tasks were:

1. to assess the adaptive potential of Echinochloa frumentacea on HM-contaminated soils;
2. to assess bioaccumulation and the transfer factor of heavy metals (HMs) from polyele-

ment-contaminated soils to Echinochloa frumentacea;
3. to study the rhizosphere microflora of Echinochloa frumentacea on HM-contaminated

soils;
4. on the basis of the data obtained, to assess the possibility of using Echinochloa frumen-

tacea for the phytoremediation of HM-contaminated chernozems.

2. Materials and Methods

2.1. Soil Sampling

Model laboratory experiments with urban ecosystem soils characterized by polyele-
ment anomalies [17] were performed. To carry out the experiments, the soils were collected
in the following sites: the sanitary protection zones (SPZ) of large metallurgical enterprises:
Kosogorsky Metallurgical Plant (KMP), Tulachermet PJSC (TCh), the embankment opposite
the arms and machine-building plants (Embankment), as well as a major highway and a
sanitary protection zone of the central avenue of the city (Lenin Ave.). The gray forest soils
of the state museum–estate of Leo N. Tolstoy “Yasnaya Polyana” served as background
(Background). Sampling and soil preparation for determination of toxic elements was
carried out in accordance with RNS R 53123-2008 [31]. The sampling depth was 0–25 cm.

2.2. Soil Characterization

To characterize the soil used for analysis of the pH, content of petroleum products,
total carbon, mobile phosphorus, available forms of nitrogen–nitrates from water soluble
ammonia were determined.

Preparation of soil extract and determination of its acidity were performed according
to Russian National Standard (RNS) 26483-85 [32] using a Metler Toledo Delta 320 pH
meter. Determination of the total organic carbon in soil was performed according to [33].
The content of mobile (available) phosphorus P2O5 in mg/100 g was determined by
the photocolorimetric method according to Kirsanov [34]. The determination of nitrates
and water-soluble ammonium in the soil was carried out by standard photocolorimetric
methods according to RNS 26489-85 [35] and RNS 26488-85 [36]. Petroleum products were
determined by the gravimetric method [37]. Elemental analysis of soil was determined
using X-ray fluoresce in the chemical analytical laboratory of the Geological Institute of the
Russian Academy of Sciences.

2.3. Experiment Design

The object of the study was the Japanese millet, Echinochloa frumentacea Link.
The soils of sampling points for the model experiment were placed in plastic containers

with drainage that did not have a drain for water. Sowing of seeds and observation of
plants was carried out in laboratory conditions at a temperature of 21–23 ◦C using natural
light. Watering was carried out with distilled water as the topsoil dried up. The seed
germination was determined on the 7th day.

2.4. Pigments Determination

A spectrophotometric method was used to determine the quantitative content of
pigments in plants. The determination of pigments was carried out in an ethanol extract
using 1 cm thick cuvettes in triplicate biological and analytical repetition. Optical density
was determined at wavelengths of 665 nm, 649 nm, and 470 nm. Calculation of the
quantitative content of chlorophylls and carotenoids was carried out according to the
formulas [38], followed by conversion to g of fresh weight [39].
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2.5. Plants Analysis

Several analytical techniques were applied to determine the elemental composition of
plants materials. Content of As, Br, K, La, Na, Mo, Sm, U, W, Ba, Ce, Co, Cr, Cs, Hf, Ni, Rb,
Sb, Sc, Sr, Ta, Tb, Th, Yb, Zn, Al, Ca, Cl, I, Mn, and V was determined using instrumental
neutron activation analysis (INAA) at the fast-pulsed reactor IBR-2 in FLNP JINR. For
Al, Ca, Cl, I, Mn, and V determination, samples of about 0.3 g were irradiated for 3 min
and measured for 15 min. To determine As, Br, K, La, Na, Mo, Sm, U, W, Ba, Ce, Co, Cr,
Cs, Hf, Ni, Rb, Sb, Sc, Sr, Ta, Tb, Th, Yb, and Zn, samples were irradiated for 3 days and
measured after 4 and 20 days of irradiation. Gamma spectra of induced activity were
measured using three spectrometers based on HPGe detectors with an efficiency of 40–55%
and resolution of 1.8–2.0 keV for total absorption peak 1332 keV of the isotope 60Co and
Canberra spectrometric electronics. The analysis of the spectra was performed using the
Genie2000 software from Canberra, while the calculation of concentration was carried out
using software “Concentration” developed in FLNP. The quality control of measurement
was assured by the use of the following reference materials: IAEA-336 (Lichen), NIST SRM
1572 (Citrus Leaves), NIST SRM 1575 (Pine Needles).

The content of Cu, Pb, and Cd in samples was determined by using an iCE 3400
Atomic Absorption Spectrometer (AAS) with electrothermal (graphite furnace) atomization
(Thermo Fisher Scientific, Waltham, MA, USA). Details of samples preparation for analysis
and measurement can be found in [40].

Along with INAA, elemental composition of plant samples grown on contaminated
was determined using an Element 2 mass spectrometer (Thermo Fisher Scientific of GmbH,
Dreieich, Germany) after adding indium as an internal standard. Before the measurement,
the instrument was adjusted in such a way that the sensitivity was at least 1,000,000 cps
when analyzing a solution of indium with a concentration of 1 μg/L. The instrument
was calibrated using multielement standard solutions ICP-MS-68A Solution B, ICP-MS-E,
and ICP-MS-B (High-Purity Standards, Charleston, SC, USA). The good correlation of the
concentration of elements obtained by two technique was attained.

To determine Mg and Fe content, a KVANT-2 spectrometer (KORTEK, Moscow, Russia)
was used. The measurement was carried out in an air-acetylene flame using absorption lines
of 248.3 nm for Fe and 285.2 for Mg. The instrument was calibrated using a multielement
standard solution ICP-MS-68A Solution A (High-Purity Standards, USA).

For ICP-MS and AAS analysis, plant samples were digested using a microwave system
(MARS5, CEM Corporation, Charlotte, NC, USA) in XP-1500 Teflon liners. The liners
were preliminarily kept with 10.0 mL of an aqueous solution of nitric acid (1:1) at 160 ◦C,
then cooled and rinsed with deionized water (18.2 MΩ.cm, Milli-Q, ADVANTAGE A10,
Millipore Corporation, Molsheim, France). A 0.5 g sample was placed in a liner and nitric
acid was added, then the mixture was kept at room temperature for 48 h. Then, hydrogen
peroxide was added, and after the end of the vigorous reaction, decomposition was carried
out in a microwave system at 180 ◦C. The resulting solution was analyzed after dilution
with deionized water. Each average plant sample was analyzed twice, the content of the
element in the sample was calculated as the average of two independent values.

Simultaneously with the plants, the analysis of “blank” samples and standard samples
of plants certified for microelement composition was carried out. Elodea canadensis EK-1,
birch leaf LB-1, and grass mixture Tr-1 (Institute of Geochemistry SB RAS, Irkutsk, Russia)
were used as standard samples. For every 10 routine samples, one blank sample and one
standard sample were analyzed.

2.6. Determination of Ascorbic Acid (AA) and Glutathione (GSH)

Determination of ascorbic acid and glutathione was carried out by titrimetric method
using fresh shoots of Echinochloa frumentacea. To determine the content of ascorbic acid,
an aliquot of the centrifuged supernatant of plant shoots was titrated in a solution of
metaphosphoric acid (5 mL) with 0.001 N solution of 2,6-dichlorophenolindophenol (2,6-
DCPIP) to a slightly pink color.
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To determine the amount of glutathione, 2–3 drops of a 15% KI solution and 5 drops of
a 1% starch solution were added to an aliquot of the supernatant (5 mL) and titrated with a
0.001 N KIO3 solution until a faint blue color was obtained.

The content of AA and GSH was calculated using the following formulas and ex-
pressed in mg/g of fresh weight

c (AA) = [(a × K)× 0.88 × M]÷ (m × n)

c (GSH) = [(b − a)× K × 0.307 × M]÷ (m × n)

where c(AA), c(GSH) is content of ascorbic acid and glutathione in plant material (mg/g
fresh weight), a is the volume of titrated 2,6-dichlorophenolindophenol (mL), b is the vol-
ume of titrated KIO3 (mL), K is the ratio of volumes of titrated KIO3 and 2,6-dichlorophenoli-
ndophenol (in the present study K = 1.5 ± 0.02), n is the sample weight (mg), M is the total
volume of extract (mL), m is the volume of aliquot (mL), 0.88 is the volume of AA (mL),
equivalent to 1 mL of 0.001 N solution of 2,6-dichlorophenolindophenol, and 0.307 is the
volume of GSH (mL), (equivalent to 1 mL of 0.001 N solution of KIO3) [41].

2.7. Microbiological Analysis of Rhizosphere Soil

To analyze the rhizosphere soil, the plants were taken out from the pot, the bulk
soil was shaken off from the plant roots, and the roots with the remaining adhering soil
(thickness, no more than 2–3 mm) were used for analysis. The sampling was made in three
replicates per pot. The sample of root with attached rhizosphere soil (1.5–2.0 g) was placed
into 0.25-mL Erlenmeyer flask with 100 mL of sterile tap water and was shaken for 30 min.
Then, the roots were taken out and the suspension was kept to let the soil particles settle out,
after which a range of dilutions was prepared for isolation of rhizosphere microorganisms.

The total numbers of culturable heterotrophic bacteria, actinomycetes, and micromycetes
after plant growth were estimated. For isolation and enumeration of the total number
of culturable heterotrophs, we used the GRM-agar medium (State Research Center for
Applied Biotechnology and Microbiology, Obolensk, Russia) of the following composition:
fish meal pancreatic hydrolysate 12 g/L, enzymatic peptone 12 g/L, NaCl 6 g/L, and agar-
agar 10–12 g/L. The number of actinomycetes was determined using a starch–ammonium
agar medium of the following composition: (NH4)2SO4 1.0 g/L, MgSO4·7H2O 1.0 g/L,
NaCl 1.0 g/L, CaCO3 3.0 g/L, and agar-agar 20 g/L. The number of microscopic fungi was
determined using Martin’s medium of the following composition: glucose 10 g/L, KH2PO4
5 g/L, MgSO4·7H2O 0.5 g/L, peptone 5 g/L, agar-agar 20 g/L, and tap water 1 L (pH 5.5).
The number of microorganisms resistant to Zn2+ and Pb2+ ions was determined on LB
agar medium [42]. After sterilization, the water-soluble salts of heavy metals ZnSO4·7H2O,
Pb(CH3COO)2, or CuSO4 were added to the culture medium to a final metal concentration
of 0.5 mmol/L. The inoculated plates were incubated at 28–30 ◦C for 5–10 days, after which
microbial colonies and colony-forming units (CFU) were counted and the morphological
diversity of the microorganisms was measured.

The study of the taxonomic structure of rhizosphere microbial communities was
carried out using metagenomic analysis of rhizosphere soil samples for the 16S rRNA
gene. The purified DNA preparation was used as a template in the PCR reaction with
universal primers (27f/533r) to the variable V4 region of the 16S rRNA gene using GS
Junior Technology (Roche 454 Life Sciences, Branford, New Haven, CT, USA). Sequencing
was performed on a MiSeq platform (Illumina, San Diego, CA, USA). The obtained data
were analyzed using the QIIME v. 1.9.1.

2.8. Statistical Analysis

All experiments were performed in triplicate and the results are presented as mean
values ± standard deviations. Basic statistics were completed by using Microsoft Office
Excel Microsoft, Redmond, Washington, DC, USA), and all the others were performed
with STATISTICA StatSoft (New York, NY, USA). The Student’s t-test was performed to
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reveal the differences between the values obtained for background and experimental soils
(p < 0.05).

3. Results

The main characteristics of the analyzed soils are given in Table 1.

Table 1. Characteristics of urban soils used in the study.

Soil Sample
Background

(Yasnaya Polyana)
KMP Tulachermet

Highway
(Lenin Ave.)

Embankment

Soil type clay loam clay loam sandy loam clay loam sandy loam
pH 6.20 7.26 7.35 7.29 7.31

Content of essential elements, mg/kg
N-NO3

− 20.5 ± 1.2 28.2 ± 1.6 38.6 ± 3.5 41.1 ± 2.4 5.1 ± 1.8
N-NH4

+ 12.9 ±1.2 6.9 ± 0.7 9.5 ± 0.3 2.3 ± 0.2 5.2 ± 0.4
P2O5 51 ± 5 160 ± 4 98 ± 8 218 ± 7 305 ± 7

total carbon, % to air dry soil 4.87 ± 0.05 4.41 ± 0.11 4.84 ± 0.33 3.83 ± 0.06 4.21 ± 0.08
water-soluble carbon, % to the total 0.14 ± 0.05 0.13 ± 0.02 0.14 ± 0.06 0.12 ± 0.03 0.16 ± 0.06

humus, % to air dry soil 8.12 ± 0.16 7.14 ± 0.14 7.62 ± 0.15 6.16 ± 0.12 5.61 ± 0.11
humus carbon, % 4.72 ± 0.09 4.15 ± 0.08 4.43 ± 0.09 3.58 ± 0.07 3.26 ± 0.07

MgO, % 1.06 ± 0.09 0.94 ± 0.08 1.33 ± 0.11 0.62 ± 0.05 1.12 ± 0.09
CaO, % 1.17 ± 0.11 2.83 ± 0.25 2.24 ± 0.23 11.68 ± 1.32 5.48 ± 0.47

Na2O, % 0.69 ± 0.07 0.55 ± 0.05 0.51 ± 0.05 0.63 ± 0.06 0.59 ± 0.05
K2O, % 2.48 ± 0.24 2.42 ± 0.21 1.55 ± 0.18 1.21 ± 0.12 2.41 ± 0.22

Trace elements, mg/kg
Mn 900 ± 87 6600 ± 260 950 ± 87 700 ± 58 1600 ± 156
Fe 39,250 ± 1960 45,750 ± 2290 116,650 ± 5830 45,300 ± 2260 97,700 ± 8754
V 65 ± 3.2 55 ± 4 145 ± 7.2 59 ± 2.9 91 ± 5
Cr 116 ± 8 137 ± 12 117 ± 4.5 70 ± 2.8 1260 ± 80
Ni 41 ± 3 45 ± 4 42 ± 3.3 35 ± 2.8 285 ± 23
Cu 29 ± 2 52 ± 4 27 ± 0.8 30 ± 0.9 1188 ± 89
Zn 23 ± 2 192 ± 9 71 ± 3.6 106 ± 5.3 4579 ± 230
Pb 28 ± 2 71 ± 6 24 ± 0.7 36 ± 1.1 185 ± 14
As 5.1 ± 0.4 9.9 ± 0.5 4.3 ± 0.2 5.4 ± 0.3 12.5 ± 0.6

petroleum products, g/kg 1.5 ± 0.6 2.6 ± 0.4 4.1 ± 1.0 2.5 ± 0.7 9.5 ± 3.2

* Values exceeding MPC are marked in bold ([43,44]).

The KMP soil was characterized by a high content of Fe (45,750 mg/kg), exceeding the
MPC for Mn (by 4.4 times) and Zn (by 41%); Tulachermet soil was characterized by a very
high content of Fe (116,650 mg/kg), exceeding the MPC (APC) for V-Mn (by 40–50% for V
and 10% for Mn), Ni (by 110–175%), Cu (by 127%), Zn (by 29–192%), As (by 115–220%), and
oil products (by 4 times); the soil of Lenin Avenue was characterized by a high content of Fe
(45,300 mg/kg), exceeding the permissible concentrations of Mn (by 6%) and Cu (by 186%).
The soil of the embankment opposite the arms factory was characterized by the greatest
pollution, it exceeded the permissible content of the complex of heavy metals, Mn (by 6%),
Cr, Ni (3.6 times), Cu (36 times), Zn (83 times), As (by 25%), and petroleum products (by
9.5 times). In the background soils, the excess of MPC and APC for normalized elements
was not noted.

In the performed study, the adaptive characteristics were studied and data on the
sowing qualities of seeds and biometric parameters of Echinochloa frumentacea on soils
contaminated with heavy metals were obtained. The results obtained are presented in
Table 2. The soils of sanitary protection zones of metallurgical companies did not affect
significantly the decrease in the germination of Echinochloa frumentacea. However, the soils
of the SPZ of the highways and the soils of the embankment most contaminated with toxic
elements caused a decrease in seed germination by 21–23% (Table 2).
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Table 2. Effect of soil pollution with heavy meals on germinating ability and biometric parameters of
Echinochloa frumentacea.

Characteristics
Background

(Yasnaya
Polyana)

TCh KMP
Highway

Lenin Ave.
Embankment

Germinating ability, % 87 ± 9 80 ± 7 80 ± 8 67 * ± 6 69 ± 7
Height of shoots, cm 15.1 ± 1.3 9.8 * ± 1.2 10.1 ± 1.3 8.6 * ± 0.9 4.6 * ± 0.6

root length, cm 7.6 ± 0.8 4.5 * ± 0.3 4.3 * ± 0.4 3.5 * ± 0.3 4.3 * ± 0.3
*—p < 0.05 for the difference between experimental and background samples.

The biometric parameters of Echinochloa frumentacea grown on the soils of the ex-
perimental zones were measured one month after germination. The results of biometric
measurements showed that soil contamination with trace elements had a toxic effect on
plants, which was expressed in a decrease in their growth parameters. The maximum toxic
effect on the experimental plants was exerted by the soils of the embankment, where there
were multiple excesses of MPC (MAC) for a complex of toxic components: Cr, Ni (4 times),
Cu (36 times), Zn (83 times), and oil products (more than 9 times). The shoot length of
plants on the most polluted soils decreased 3.3 times compared to the background. The
soils of the SPZ of metallurgical industries caused a decrease in the growth parameters of
the shoot up to 35% compared to the background. The soils of the sanitary protection zone
of the highway had an increased toxic effect, reducing the shoot length of the experimental
plants by 43% compared to the background (Table 2).

The development of the root system, which performs the function of supplying photo-
synthetic organs with minerals and water, also suffered from the presence of toxic elements
in soils. The length of roots on the soils of the sanitary protection zone of metallurgical
industries and the arms factory (embankment) was lower than on the background soils
by 19–20%. The most polluted soils of the highway had the maximum inhibitory effect
on the development of the root system, reducing the length of the roots by 54% compared
to the background (Table 2, Figure A1). Such pronounced impact of the soils of the SPZ
of the highway on the growth and development of the root system can also be due to its
salinization caused by the use of reagents during the winter.

The formation of plant biomass, which is important to take into account when carrying
out phytoremediation measures, depends on the leaf surface area formed by plants, the
work of photosynthetic pigments, and enzymatic activity. The quantitative characteristics
of the photosynthetic apparatus are the most important indicators of plant adaptation to
oxidative stress in the condition of soil contamination. The obtained results showed that
the soils of the sanitary protection zone of metallurgical plants had a stimulating effect on
the pigment apparatus of Echinochloa frumentacea.

The content of chlorophyll a in plants grown on the soils of Tulachermet was higher
than in plants grown on the background soils by 36% and on the soils of KMP by 19%
(Table 3). The content of chlorophyll a in plants grown on the soils of Lenin Avenue was
lower than on the background soils by 7%. The greatest depressing effect on the content of
pigments was exerted by the soils of the most polluted experimental zone, the embankment
near the arms plant. The content of chlorophyll a in the shoots of Japanese millet was
lower by 22%. At the same time, the content of chlorophyll b decreased by 34% compared
with the control. On the soils of the embankment, the development of chlorosis and apical
necrosis of the leaves of Echinochloa frumentacea was observed.
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Table 3. Effect of the polyelemental pollution of soils on the quantitative characteristics of the
photosynthetic pigments of Echinochloa frumentacea.

Pigments’
Content, mg/g

and Their Ratio
Background TCh KMP Lenin Ave. Embankment

chlorophyll a 1.46 ± 0.12 1.99 * ± 0.14 1.74 ± 0.15 1.37 ± 0.11 1.14 * ± 0.07
chlorophyll b 0.32 ± 0.03 0.49 * ± 0.05 0.35 ± 0.03 0.24 ± 0.03 0.21 * ± 0.02

chlorophyll sum 1.78 ± 0.15 2.48 * ± 0.19 2.09 ± 0.18 1.61 ± 0.14 1.35 * ± 0.08
carotenoids 0.49 ± 0.05 0.66 * ± 0.07 0.57 ± 0.05 0.43 ± 0.04 0.40 ± 0.03

chlorophyll a/b 4.6 4.1 5.1 5.6 5.4
chlorophyll/
carotenoids 3.6 3.8 3.7 3.7 3.4

*—p < 0.05 for the difference between experimental and background samples.

The content of chlorophyll b in the seedlings of Echinochloa frumentacea grown on
the soils of metallurgical industries was higher than on the soils of the background zones
by 9 and 53% for the soils of the SPZ KMP and Tulachermet, respectively. However, in
plants growing on the soils of the highway, the content of chlorophyll b decreased by 10%
compared to the control.

The same trends were observed for the content of carotenoids in the shoots of Echinochloa
frumentacea: on the soils of the SPZ KMP and Tulachermet, it increased by 16 and 35%,
respectively, compared to the background soils (Table 3). On the contrary, on soils with the
highest pollution, it decreased significantly (by 19%). Carotenoids are one of the compo-
nents of the antioxidant system of the plant, as well as a component of the pigment systems.
Therefore, a decrease in their content can lead not only to a decrease in plant biomass but
also to the development of severe oxidative stress [45].

The study showed that the pigment apparatus of Echinochloa frumentacea is well
adapted to soils with a low degree of polyelement pollution (SPZ of metallurgical indus-
tries); however, on soils with strong polyelement anomalies (Embankment), the photosyn-
thetic apparatus of the plant suffers due to a drastic decrease in the chlorophylls level (up
to 2 times).

An important adaptive characteristic of plants grown on soils contaminated with
HMs is their ability to produce antioxidant compounds that prevent the development
of oxidative stress, which is accompanied by the oxidation of membrane lipids and dis-
ruption of transport and homeostasis processes [46]. The plant antioxidant system (AOS)
includes low molecular weight antioxidants such as ascorbic acid (AA) and glutathione
(GSH) [47,48]. Due to the ability to reversibly oxidize and reduce, ascorbic acid is involved
in the most important plastic and energy processes of the plant cell: photosynthesis and
respiration [47,49–51]; it is a recognized antioxidant [52–54], participates in growth and
development processes [48,55], and forms plants’ resistance to many adverse factors: UV ra-
diation, pathogens [56], ozone [55,57], low temperatures, drought [48], soil salinity [48,58],
heavy metals [59,60], and petroleum products [61].

The content of ascorbic acid and glutathione as components of AOS that prevent the
development of oxidative stress in seedlings of Echinochloa frumentacea grown on soils with
polyelement pollution was studied. The results are presented in Table 4.
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Table 4. Effect of the polyelemental pollution of soils on the content of ascorbic acid and glutathione
in Echinochloa frumentacea shoots.

Experimental Soils
Content of Ascorbic Acid,

mg/g
Content of Glutathione,

mg/g

Background 6.86 ± 0.52 1.45 ± 0.12
TCh 7.12 ± 0.64 1.52 ± 0.14
KMP 8.18 * ± 0.79 1.67 * ± 0.16

Highway 8.05 ± 0.74 1.58 ± 0.15
Embankment 6.45 ± 0.58 1.35 ± 0.12

*—p < 0.05 for the difference between experimental and background samples.

The content of low-molecular antioxidants ascorbic acid and glutathione in the shoots
of Echinochloa frumentacea was 2–2.5 times higher than in Poa pratensis grown on the same
soils and varied within 6.9–8.2 mg/g (AA) and 1.35–1.67 mg/g (GSH) (Table 4). On the
soils of the SPZ Tulachermet, KMP, and the highway, it was higher than in the control by 4,
19, and 17%, respectively. On the soils of the embankment, a slight decrease in the content
of AA was observed compared to the control (by 6%). The content of glutathione in the
shoots of Echinochloa frumentacea varied within 1.35–1.67 mg/g and was also higher on
the soils of three experimental zones by 5, 15, and 9% for Tulachermet, KMP, and Lenin
Avenue, respectively. The content of glutathione slightly decreased in comparison with the
control on the soils of the embankment.

Study of the formation of the biomass of Echinochloa frumentacea showed that after
1.5 months of growth on the soils of SPZ of metallurgical plants, the plant formed more
biomass than on the background soils. The biomass of Japanese millet grown on experi-
mental soils varied in the range of 428–1024 g/m2 (Table 5). The increase in shoot biomass
relative to plants grown on background soils was 39% for plants on KMP soils and 48%
for plants on Tulachermet soils. The biomass of plants grown on the soils of the SPZ of
Lenin Ave. and the embankment was 12.6% and 20% less than on the background soils,
respectively. The moisture content in the shoots on the background soils and Tulachermet
was 82–84%, on the soils of KMP and highway in the experimental plants, the accumulation
of dry matter increased and the water content decreased to 78–65%.

Table 5. Formation of Echinochloa frumentacea biomass on the soils with polymetal anomalies.

Soil Samples
M of the
Shoot, g

Shoots
Biomass,

kg/ha

Dry
Content, %

Moisture
Content, %

Biomass of Dry
Weight (Shoots),

kg/ha

Background 1.34 ± 0.12 5360 ± 487 15.3 84.8 820
TCh 1.98 * ± 0.17 7920 * ± 713 17.6 82.4 1393
KMP 1.87 * ± 0.19 7480 * ± 778 22.4 77.6 1675

Highway
(Lenin Ave.) 1.17 ± 0.11 4680 ± 423 35.3 64.7 1652

Embankment 1.07 * ± 0.09 4280 * ± 419 27.8 72.2 1190
*—p < 0.05 for the difference between experimental and background samples.

To assess the phytoremediation capacity of plants, it is important to determine the
bioaccumulation of toxic elements in plant organs and to calculate the efficiency of removal
of the element from contaminated soils.

Since there are no MPCs established for plants, and the data on the composition
of elements in different works differ greatly depending on the applied methods of mea-
surement and sample preparation techniques [62–65] (some studies were performed on
unwashed plant material), when determining the bioaccumulative characteristics of plants,
a comparison was made with the average data obtained for different plants species and
published in Markert [66]—Reference Plants (RP).
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The accumulative capacity of the shoots and roots of adult plants (4.5 months) grown
on contaminated soils was assessed using atomic absorption spectroscopy.

The content of V in the roots of Echinochloa frumentacea grown on contaminated soils
varied within 8.9–47.8 mg/kg of dry weight, which is 43–78 times higher than in the
aboveground parts of the plant (Table 6). On the soil with a high content of V (Tulachermet),
the accumulation of elements by the root system of Japanese millet increased significantly,
while in the shoots the content of the element was at a low level of 0.61 mg/kg of dry weight.

Table 6. The average content of heavy metals in the shoots and root system of Echinochloa frumentacea
grown on soils with polyelement anomalies (full vegetation period), mg/kg dry weight (AAS).

Collection
Site

Organ
Pb Cd Cu V

mg/kg mg/kg mg/kg mg/kg

Background shoot 0.20 ± 0.006 0.46 ± 0.014 11.02 ± 0.3 0.40 ± 0.02
root 3.30 ± 0.09 0.27 ± 0.008 27.84 ± 0.8 8.85 ± 0.4

TCh
shoot 0.14 ± 0.004 0.25 ± 0.008 11.47 ± 0.3 0.61 ± 0.02
root 1.57 ± 0.05 0.18 ± 0.05 16.44 ± 0.5 47.79 * ± 2.4

KMP
shoot 7.42 * ± 0.22 0.25 ± 0.015 16.34 ± 0.5 0.87 ± 0.04
root 7.38 * ± 0.22 0.51 ± 0.08 41.05 * ± 1.2 19.26 * ± 1.0

Highway shoot 0.18 ± 0.05 0.28 ± 0.08 27.56 * ± 0.8 0.43 ± 0.02
root 6.93 * ± 0.02 1.01 ± 0.03 96.60 * ± 2.9 18.47 * ± 0.9

Reference Plant, Markert, 1992 1 0.05 10 0.5
*—p < 0.05 for the difference between experimental and background samples.

The root system of Echinochloa frumentacea is an active barrier that prevents the trans-
port of V into the photosynthetic organs of the plant. The coefficient of transfer of the
element from roots to shoots was 0.01–0.05. A possible way to clean V-contaminated soil
using Japanese millet is rhizofiltration.

The content of Pb in the roots of Echinochloa frumentacea was 1.6–7.4 mg/kg, and in the
shoots, 0.14–7.42 mg/kg dry weight (Table 6). An analysis of the obtained data showed
that the root system of Echinochloa frumentacea ceases to perform barrier functions with
respect to Pb when the threshold concentrations of the element in soils are exceeded. The
content of Pb in Japanese millet grown on soils, in which Pb content exceeded the MPC
value (71 mg/kg soil) was the highest and the same for shoots and roots, 7.4 mg/kg dry
weight (Table 6). At the obtained values of the removal of the element from soils, which
exceeded RP by more than 7 times, it should be expected that the content of the element in
the soil during phytoremediation measures will come to acceptable values in 4–5 years.

For most plants, the critical level of copper content is 10–20 mg/kg dry weight [67]. Cu
accumulation by the shoots and roots of Echinochloa frumentacea exceeded the threshold of
normal regulation for plants on KMP-contaminated soils, where the content of the copper
was quite high (52 mg/kg) and amounted to 16.3 mg/kg in shoots and 41 mg/kg in roots.
In general, the root system of Japanese millet had a high affinity for copper. Therefore, one
of the ways to clean soils from Cu in the case of polyelement pollution using Echinochloa
frumentacea is rhizofiltration. However, in the shoots of KMP, highway, and embankment
soils, the content of Cu varied from 16.3 to 96.6 mg/kg of dry weight (Tables 6 and 7). These
values are higher than those given in Murillo et al. [68] for sorghum of 4.6–11.7 mg/kg;
therefore, it can be assumed that Japanese millet can also be used for the phytoextraction of
Cu from soils with polyelement contamination.
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Table 7. Bioaccumulation of toxic elements by Echinochloa frumentacea grown on soils with polyele-
ment anomalies (vegetation period 1.5 months) (average data for ICP-MS and INAA), mg/kg.

Element TCh KMP Highway Embankment Background
RP

(Markert,
1992)

Sc 0.070 ± 0.002 0.059 ± 0.002 0.076 ± 0.0021 0.047 ± 0.001 0.057 ± 0.002 0.02
Rb 6.4 ± 0.6 4.8 ± 0.4 3.0 ± 0.3 5.7 ± 0.5 38.3 ± 0.2 50
Mo 2.2 * ± 0.01 12.7 * ± 0.6 3.5 * ± 0.01 4.2 * ± 0.02 0.8 ± 0.02 0.5
Cd 0.31 ± 0.009 0.28 ± 0.008 0.47 ± 0.01 0.37 ± 0.01 0.52 ± 0.02 0.05
Sb 0.023 ± 0.001 0.019 ± 0.001 0.044 * ± 0.002 0.074 * ± 0.003 0.010 ± 0.001 0.1
Ba 6.7 ± 0.34 9.6 ± 0.48 12.3 ± 0.62 4.8 ± 0.24 10.8 ± 0.54 40
Pb 0.50 ± 0.02 0.25 ± 0.01 0.44 ± 0.01 0.88 * ± 0.03 0.22 ± 0.02 1
Th 0.074 ± 0.004 0.050 ± 0.003 0.075 ± 0.004 0.045 ± 0.003 0.063 ± 0.003 0.005
U 0.023 ± 0.001 0.014 ± 0.001 0.037 * ± 0.001 0.036 * ± 0.001 0.015 ± 0.001 0.01
V 0.61 ± 0.03 0.64 ± 0.03 0.74 ± 0.04 0.66 ± 0.03 0.50 ± 0.02 0.5
Cr 1.01 ± 0.06 0.93 ± 0.06 1.62 ± 0.1 4.57* ± 0.27 0.93 ± 0.06 1.5
Co 0.19 ± 0.01 0.19 ± 0.01 0.27 ± 0.02 0.10 ± 0.01 0.16 ± 0.01 0.2
Ni 1.4 ± 0.1 2.4 ± 0.2 3.6 ± 0.3 4.7 ± 0.4 3.4 ± 0.3 1.5
Cu 20.2 * ± 0.6 12.3 ± 0.4 31.3 * ± 0.9 32.1 * ± 0.9 21.2 ± 0.6 10
As 0.29 * ± 0.01 0.21 ± 0.01 0.15 ± 0.01 0.20 ± 0.01 0.12 ± 0.01 0.1
Se 0.15 ± 0.01 0.13 ± 0.01 0.06 ± 0.005 0.19 ± 0.01 0.13 ± 0.01 0.02
Al 295 ± 8.8 322 ± 9.7 390 * ± 12 251 ± 7.5 275 ± 8.2 80
Fe 291 ± 15 379 * ± 129 324 ± 16 327 ± 16 282 ± 14 150
Mn 173 ± 8.6 101 ± 5.5 199 ± 10 572.8 * ± 30 195 ± 9.7 200
Zn 100 * ± 4 41 ± 1.6 109 * ± 4.3 454 * ± 18 53 50
Sr 36 ± 2.9 91 * ± 7.2 48 ± 3.8 45 ± 3.6 33 ± 2.6

*—p < 0.05 for the difference between experimental and background samples.

However, on soils with a high content of V and Cr, the absorption of the element by
the plant decreased, which should be taken into account when carrying out remediation
measures. According to the literature data, when the content of copper in plants exceeds the
critical level, the signs of toxicity may develop: the concentration of chlorophyll decreases,
and the growth of shoots and roots is suppressed [69]. The complex of HM pollutants in the
experimental soils suppressed the growth parameters of Japanese millet; however, on the
soils of the sanitary protection zone of metallurgical industries, a compensatory mechanism
was observed and the content of photosynthetic pigments increased (Table 3).

Accumulation of Mo by shoots of Echinochloa frumentacea on the soils of Tulachermet up
to 12.7 mg/kg dry weight, which is 3–6 times more than on the soils of other experimental
zones and 12 times more than on the background soils (Table 7). High Mo-uptake can be
explained by the slightly alkaline pH of analyzed soils [70].

The accumulation of Cd did not exceed 0.28–0.52 μg of dry weight in most of the
experimental variants. These values are 5.5–10.4 times higher than the average data for
RP. The Cd enrichment factor for Echinochloa frumentacea is 5.6–19 and is at its maximum
on the soils of the sanitary protection zone of the highway. Low Cd uptake can be associ-
ated with the presence of zinc in soil, which inhibits Cd uptake and translocation under
cadmium/zinc combined stress [71].

The accumulation of Cr by the shoots of Echinochloa frumentacea on soils with the
highest polyelement pollution, where the content of the element was many times higher
than APC (1260 mg/kg), was higher than for other soils (Cr content up to 117 mg/kg) and
amounted to 4.7 mg/kg of dry weight (Table 7). These values were 3 times higher than RP;
however, with the soils’ contamination with Cr when its content exceeds TEC 4 times, this
level of bioaccumulation of the element is not enough for effective biological treatment in
terms less than 10 years. On the soils of other sampling sites, Cr accumulated in the shoots
of Echinochloa frumentacea was up to three times higher than the upper limit of normal
values (0.1–0.5 mg/kg, [62]): 0.93–1.62 mg/kg.

The critical level of Co in most plants starts from 0.4 mg/kg. Cereals are most sensitive
to their excess [72] The Co content in Japanese millet ranged from 0.10 to 0.27 mg/kg dry
weight and lies within the average values characteristic for vegetation, 0.02–1 mg/kg [62].

The content of Ni in Echinochloa frumentacea plants varied in the range of 1.4–4.7 mg/kg
dry weight and its maximum accumulation was attained on the most polluted soils. These
values are 2–3 times higher than the average values for vegetation grown on the soils of
Tulachermet, the highway, and embankment.
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The content of As in the shoots of Echinochloa frumentacea was 0.15–0.29 mg/kg of dry
weight. Its content on the soils of the SPZ of metallurgical industries and the embankment
was 2–3 times higher than RP values. However, based on the data on the bioaccumulation
and removal of As, Japanese millet is not recommended for the phytoremediation of soils
contaminated with arsenic.

The critical concentrations of manganese in plants vary from 220 to 5300 mg/kg dry
weight [67]. Japanese millet is not an Mn bioaccumulator. The content of the element in the
shoots of Echinochloa frumentacea falls within the limits of average values and amounts to
57–199 mg/kg of dry weight and lies below the limits of critical values (Table 7).

Visible symptoms of zinc toxicity appear with its concentrations in plants above
300 mg/kg but are sometimes possible at lower concentrations (100 mg/kg) [67]. The
content of Zn in the shoots of Echinochloa frumentacea was 53 mg/kg on the background
soils and varied in the range of 41–457 mg/kg dry weight on the soils of the experimental
zones. The content of the element exceeded the critical concentrations for plants on the
most polluted soils of the embankment, which could cause the observed toxic effects. The
factor Echinochloa frumentacea enrichment with Zn was two on the soils of the KMP and
Lenin Avenue and eight on the soils of the SPZ of the arms plant (embankment). These are
a good indicator for the phytoextraction of the element from soils, taking into account the
accumulation of biomass by plants.

The content of Fe in the shoots of Echinochloa frumentacea varied within 282–389 mg/kg
of dry weight and was below the critical concentration limits for plants (500 mg/kg [62,67])
but higher than the average data for RP 2 or more times. Apparently, for Fe, which is a soil
pollutant in the region, there is no barrier at the level of the root system of the plant.

Culture-Based Assessment of Microbial Communities in the Rhizosphere of E. frumentacea

At the end of the experiment, the total number of heterotrophic bacteria, and the num-
ber of actinomycetes and micromycetes, were determined in the rhizosphere of plants. The
results of the analysis of the main groups of cultivated heterotrophic soil microorganisms
in the rhizosphere of E. frumentacea are shown in Figure A2.

The abundance of rhizospheric microorganisms depended on the kind of soil in which
the plants were grown. The number of bacteria in the plant rhizosphere varied from 0.8 to
3.3 × 107 CFU/g of soil sampled from the Embankment and Background, respectively. It
was found that the soil of the Embankment near the Tula Arms Plant was the most polluted
(Table 1). The high content of almost all metals analyzed clearly caused the toxicity of this
soil, which led to the inhibition of the number of all groups of microorganisms studied,
bacteria, actinomycetes, and micromycetes. In addition, this soil was characterized by a
minimum content of humus carbon (Table 1), which is important for the development of
soil microflora.

The number of cultivated heterotrophic bacteria in the rhizosphere soil from the
Embankment (Figure 1a) was two times lower than in the background soil (Yasnaya
Polyana). The almost two-fold excess of the number of bacteria in the Tulachermet soil may
be due to the presence of an additional carbon source in this soil (oil products’ content was
4.1 g/kg, and humus carbon was higher than in the Embankment soil). However, an even
higher concentration of oil products (9.5 g/kg) did not support the number of bacteria in
the soil of the Embankment, which was associated with the toxic effect of heavy metals
on oxidative enzymes involved in the hydrocarbon degradation. The soil from Lenin Ave.
also stimulated the rhizospheric bacteria; however, there was no obvious explanation of
this effect from the data of analyses of this soil (Table 1). We can only assume that in terms
of background pollution, the Lenin Ave. soil, just like the KMP soil, was the closest to the
background one.
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Figure 1. The number of cultivable heterotrophic bacteria, actinomycetes, and micromycetes in the
rhizosphere of E. frumentacea. (a)—bacteria; (b)—actinomycetes; (c)—micromycetes. Error bars mean
standard errors/*—p < 0.05 for the difference between experimental and background samples.

The number of actinomycetes in the rhizosphere of E. frumentacea varied from 0.8
to 3.3 × 106 CFU/g of the soil in the Embankment and KMP samples, respectively. The
influence of urban soils on the actinomycete population in the rhizosphere was most
noticeable in the soils of the Embankment and KMP (Figure 1b). In the first case, in relation
to bacteria, the inhibitory effect of the contaminated urban soil was visible: the number
of actinomycetes in the rhizosphere decreased by 2.3 times compared to the control soil.
However, in the KMP soil, stimulation of actinomycetes (1.7 times) was observed. Probably,
this could be associated with an increase in the actinomycete taxa resistance to heavy metals
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and the ability to participate in remediation of the environment [73]. This explanation was
also confirmed by our data on the taxonomic structure of the rhizosphere community of
E. frumentacea grown in the KMP soil. There were no significant differences between the
abundance of actinomycetes in the Tulachermet and Lenin Ave. soils and the control soil of
Yasnaya Polyana.

The number of micromycetes in the rhizosphere of E. frumentacea reached 5.5–13.3
× 105 CFU/g of the soil of the Embankment and KMP samples, respectively (Figure 1c).
The changes in the abundance of micromycetes depending on the soil type were similar to
those described for actinomycetes. The minimal number of micromycetes was observed
for the Embankment soil (a 1.6-fold decrease from the control), and the maximal number
was observed for the KMP soil (a 1.5-fold increase in comparison with the control), which
could be associated with specific stimulation by the plant of micromycetes taxa resistant to
heavy metals.

The sequencing of 16s rRNA gene from rhizosphere samples resulted in 133.776 reads.
After data denoising and chimera screening, a total of 92.527 sequences were used for
further identification. The average number of nucleotide sequences in the library per
sample was 15.728.

To characterize biodiversity and carry out a comparative analysis of the communities,
the parameters of -diversity were calculated, the taxonomic composition of the community
in all samples was determined and compared, and taxa that reliably decreased or increased
their number in the rhizospheres of the plants studied were identified.

The calculation of the sampling effort indicated that, on average, 73.7% of the true
diversity of the rhizosphere communities of E. frumentacea were covered (Table 8). The

-diversity was assessed using species richness indices (observed OTUs) and the Shannon
and the Simpson indices in the rhizosphere of E. frumentacea grown in the control soil, and
the average number of OTUs was minimal (2013 on average) in comparison with other soils.
The species richness index of plants grown in Tulachermet was maximal (3816 observed
OTUs) (Table 8).

Table 8. The -diversity indices for rhizospheric microbial communities of E. frumentacea grown on
different soils.

Soil
Samples

Observed
OTUs

PD Whole
Tree

Chao1 Shannon Simpson
Sampling

Effort

KMP 3437 94.08 4820.03 10.39 0.99829 71.3
Tulachermet 3816 102.17 5321.48 10.64 0.99842 71.7
Embankment 3059 98.08 4056.96 10.07 0.99738 75.4
Lenin Av. 3403 87.14 4620.18 10.38 0.99811 73.7

Background 2013 66.99 2635.74 8.94 0.99331 76.4

The Shannon and Simpson indices indicated a high taxonomic diversity of bacterial
communities in the rhizosphere of plants grown in contaminated urban soils, while the
background soil (Yasnaya Polyana) was characterized by the lowest taxonomic diversity
(Table 8).

Figure A2 shows the bacterial types that dominate in the rhizosphere of E. frumentacea.
The Proteobacteria, Actinobacteria, Planctomycetes, Acidobacteria, as well as Bacteroides
and Chloroflexi phyla occupied the dominant positions in the taxonomic structure of the
rhizosphere community of E. frumentacea. However, the ratio of these types was different
for plants grown on different soils. Thus, the share of Proteobacteria in the total taxonomic
structure of the microbial community in the background soil (Yasnaya Polyana) reached
52%, but it significantly decreased when plants were grown on urban soils. The minimal
amount of Proteobacteria was noted in the soils of KMP (27%) and Tulachermet (28%),
followed by the soils of Lenin Ave. (30%) and the Embankment (36%). At the same time,
the share of another dominant phylum, Actinobacteria, increased from 18% (in control) to
22, 26, 29, and 31% in the soils of the Embankment, Tulachermet, KMP, and Lenin Ave.,
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respectively. In the rhizospheric communities of plants grown in the polluted urban soils,
the share of other phyla also clearly increased. Thus, the share of Acidobacteria in the
control soil was only 4% but increased to 5, 8, 9, and 9.2 in the soils of Lenin Ave., the
Embankment, Tulachermet, and KMP, respectively. The Planctomycetes phylum in the
rhizospheric community of E. frumentacea grown in the control soil was only 4%, while
in contaminated urban soils it increased to 6, 9, and 10% (in the soils of the Embankment,
Tulachermet, Lenin Ave., and KMP, respectively). In contaminated soils, an increase in
Chloroflexi share from 3% in the control to 6–7% in urban soils was noted. In addition to
Proteobacteria, under the influence of pollution, the share of another phylum, Firmicutes,
decreased (albeit less significantly), which was more than 4% in clean soil and decreased to
2–3% in polluted soil. Changes in the share of other phyla of the microbial community in
the rhizosphere of E. frumentacea under the influence of pollution were unsignificant. Thus,
a comparative analysis of the taxonomic structure of the rhizosphere microbial community
at the phylum level revealed a distinct influence of urban soils characterized by technogenic
polyelement anomalies.

The taxonomic analysis of the dominant phylum Actinobacteria made it possible to
identify 39 families, among which 16 families occupied a fundamental position, presented in
Table A1 and constituting from 60% to 77% of all found families of Actinobacteria in the rhi-
zosphere of E. frumentacea. The Gaiellaceae family had the maximal share in the population
of rhizospheric actinomycetes in almost all soil samples; only in the soil of the Embankment
was the abundance of Gaiellaceae minimal. At the same time, this soil was character-
ized by an increased share of the Micrococcaceae family (Table A1). Nocardioidaceae,
Micromonosporaceae (0.9–3.4%), as well as representatives of the Solirubrobacterales and
0319-7L14 orders were other notable actinomycetes in the rhizosphere of E. frumentacea.

As part of another dominant phylum, Proteobacteria, 66 families of bacteria were
identified. Thirteen families accounting for 72–86% of all OTUs assigned to Proteobacteria
made the most significant contribution to the rhizosphere microbiome structure of E. fru-
mentacea, (Table A1). Alphaproteobacteria is the most numerous class of the Proteobacteria
phylum, accounting for 41 to 53% of all Proteobacteria. Among Alphaproteobacteria, the
dominant position was occupied by the Sphingomonadaceae (2.6–12.7%) and Hyphomi-
crobiaceae (2.0–5.6%) families. The Betaproteobacteria class accounted for 15 to 32% of all
OTUs assigned to the Proteobacteria phylum, and the Comamonadaceae (0.8–5.1%) and
Oxalobacteraceae (1.3–3.5%) families were its dominant representatives. The Gammapro-
teobacteria class accounted for 16 to 30% of all OTUs assigned to the Proteobacteria phylum,
and the Xanthomonadaceae family, whose share reached 1.6 to 13.5%, was its dominant
representative. It can be assumed that, along with Sphingomonadaceae, the Xanthomon-
adaceae family can also form the basis of the rhizobiome of E. frumentacea. The share
of these families decreased when plants were grown in all urban soils, except for Lenin
Ave., where it distinctly increased, as did the share of the Hyphomicrobiaceae and Ox-
alobacteraceae families. Among other bacterial taxa the dominant position in the soil
of the Embankment was occupied by representatives of Comamonadaceae, and in the
soil of KMP, by Sphingomonadaceae, Hyphomicrobiaceae, and Xanthomonadaceae. The
share of Oxalobacteraceae increased in all urban soils compared to the control soil. In the
rhizosphere of plants grown in Tulachermet soil, it reached a maximum (3.5%).

In the course of this study, 22 morphologically different strains of bacteria were
isolated from the rhizosphere of E. frumentacea plants. All isolates were characterized by
their resistance to heavy metals in the environment and plant growth-promoting potential.
The strains combining these properties were transferred to the collection of rhizospheric
microorganisms of the Institute of Biopharmaceutics, Russian Academy of Sciences (http:
//collection.ibppm.ru, accessed on 14 March 2022).

4. Discussion

Summarizing the data on the quantitative content of the studied plant antioxidant
system components of Echinochloa frumentacea showed that the plant is characterized by
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a good adaptive potential on soils with polyelement anomalies caused by technogenic
pollution of metallurgical industries: the content of carotenoids increases from 16 to 34%
on the soils of the SPZ of metallurgical enterprises. The amount of AA and GSH in plants
grown on experimental soils are 4–19% higher compared to the soils of the background
zone (Table 9).

Table 9. Components of the Echinochloa frumentacea antioxidant system on soils with polyelement
anomalies.

Sample of Soils Carotenoids AA GSH

TCh 34%↑ 4%↑ 5%↑
KMP 16%↑ 19%↑ 15%↑

Lenin Av. No significant
differences 17%↑ 9%↑

Embankment 19%↓ 6%↓ 7%↓
↑ higher or ↓ lower compared to background soil.

However, intense pollution of the soils of the Embankment caused inhibition of
the synthesis of carotenoids and consumption of the synthesized low molecular weight
antioxidants (ascorbic acid and glutathione) necessary for the urgent adaptive response
of the plant to prevent the effects of oxidative stress [74]. In bean and rice HM-stressed
plants, other authors also observed a significant increase in the content of these antioxidants
compared to the control [75,76].

Echinochloa frumentacea on soils with multielement contamination accumulated sim-
ilar amounts of Mn compared to the literature data for Echinochloa colona (L.) Link (213
mg/kg) [15]. The accumulation of Zn by shoots of Japanese millet was 2 times lower than
for Echinochloa colona; however, on soils with the highest Zn content, its accumulation
increased by 1.7 times.

The calculation of the removal of elements from soils by Echinochloa frumentacea during
the growing season of 1.5 months is presented in Table 10.

Table 10. Removal of elements from soils Echinochloa frumentacea in the case of polyelement pollution,
g/ha.

Element KMP TCh Lenin Av. Embankment Background

Mo 3.69 * 17.7 * 5.78 * 4.70 * 0.66
Cd 0.52 0.39 0.78 * 0.41 0.43
Sb 0.04 0.03 0.07 * 0.08 * 0.01
Ba 11.2 13.4 * 20.3 * 5.37 8.86
Pb 0.84 * 0.35 0.73 * 0.98 * 0.18
Th 0.12 * 0.07 0.12 * 0.05 0.05
U 0.04 0.02 0.06 * 0.04 0.01
V 1.02 * 0.89 1.22 * 0.74 0.41
Cr 1.69 1.30 2.68 * 5.11 * 0.76
Co 0.32 * 0.26 0.45 * 0.11 0.13
Ni 2.35 3.35 5.95 * 5.26 2.79
Cu 33.8 17.1 51.7* 35.9 * 17.4
As 0.49 * 0.29 * 0.25 0.22 0.10
Se 0.25 * 0.18 0.10 0.21 * 0.11
Al 494 * 449 644 * 281 226
Fe 488 * 528 * 535 * 366 231
Mn 290 * 141 329 * 64 * 160
Zn 168 * 57.1 180 * 508 * 43.5
Sr 60.3 * 127 * 79.3 * 50.4 27.1

*—p < 0.05 for the difference between experimental and background samples.

The calculation of the removal of elements on the dry biomass of plants showed that
on experimental soils with polyelement anomalies, the analyzed plant is not suitable for
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Pb and As phytoremediation. The removal of these elements from the soil by shoots was
0.35–084 g/ha and 0.22–0.49 g/ha, respectively. Bioaccumulation of Pb was at its maximum
in the root system and constituted 1.57–7.38 mg/kg dry weight. The content of Pb in the
shoots was lower and varied within 0.14–0.88 mg/kg dry weight. At the same time, in
plants grown on soils with a multiple excess of the MPC for Pb by the end of the growing
season, up to 7.42 mg/kg of dry weight of Pb was accumulated in the aboveground mass.
These figures are lower compared to those available in the literature for other cereals, e.g.,
sorghum 107–378 g/ha [77].

The content of V in the root system of E. frumentacea on contaminated soils reached
9–48 mg/kg dry weight, depending on the soil. At the same time, the root system performs
a barrier function and the transfer of V into the shoots was very low, 0.01–0.05. The content
of V in the shoots was 0.43–0.87 mg/kg dry weight. The removal of V from contaminated
soils by shoots was 0.89–1.12 g/ha.

The amount of Ni and Cu removed from the polluted soils increased with an increase
in pollution level and was 5.26–5.95 g/ha for Ni and 34–52 g/ha for Cu. The content of
Cu in the shoots was 11.5–27.6 mg/kg of dry weight, and in the root system, 16.5–96.6
mg/kg of dry weight. The plant can be used for long-term phytoextraction of the indicated
elements when the MPC is exceeded up to 2 times.

The removal of manganese from soils, in which its content exceeds the MPC more
than 4 times, amounted to 290 g/ha. These values are not sufficient for remediation of the
soil when MPC is multifold exceeded because the remediation period can be more than
20 years.

The removal of Zn from contaminated soils was 168–508 g/ha and it was maximal on
the most polluted soils. The content of zinc in the shoots of E. frumentacea grown on soils,
where the MPC was exceeded by less than twice, was 109 mg/kg; while at multiple excess
of MPC (4.4 times) this increased to 454 mg/kg of dry weight. Zinc is a mobile element
and is well accumulated by the plant. The removal of the element for Sorghum bicolor
and Zea mais due to the formation of the maximum biomass, according to the literature
data, was 1223–1998 g/ha [77]. An increase in the accumulation of zinc and the removal
of the element from contaminated soils makes it possible to recommend this culture for
phytoremediation in grass mixtures with other crops, for example, with a representative of
cruciferous plants, Brassica napus.

Studies on the rhizosphere microflora of Echinochloa plants are rare [78–80], and we did
not find any data on the impact of technogenic soil pollution on the structure of microbial
communities in the root zone of E. frumentacea. At the same time, the study of the root
microflora of remediating plants and the isolation of rhizospheric microbial strains that
are resistant to the presence of pollutants (metals) in the environment and have a plant
growth stimulating potential will make it possible to find a suitable microbial inoculant as
a tool to increase the effectiveness of the remediation capabilities of E. frumentacea used for
the restoration of technogenically disturbed soil ecosystems. Previously, a positive effect
on the growth of E. frumentacea when inoculated with PGPR (plant growth-promoting
rhizobacteria) strains was shown both in pure soil conditions [81,82] and in the presence of
heavy metals (Cd, Ni, Pb, Cu) and As [83].

It is known that heavy metals have a great effect on bacterial communities of soil,
contributing to an increase or decrease in bacterial abundance, species diversity, and
alterations in dominant and subordinate species [84]. However, a negative effect of heavy
metals on the composition and abundance of soil actinomycetes and fungal communities is
also noted [85–87].

In this study, we demonstrated that the abundance of the main groups of microor-
ganisms (bacteria, actinomycetes, and micromycetes) in the rhizosphere of E. frumentacea
depended on the type of soil in which the plants were grown and, probably, was deter-
mined by its characteristics. The minimal number of all groups of microorganisms studied
(on average, two times lower than in the uncontaminated control soil) was noted in the
Embankment soil, which contains the highest concentrations of both inorganic (heavy
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metals) and organic (oil products) pollutants. A two-fold increase in the number of bacteria
was observed in the rhizosphere of plants grown in the soils of Tulachermet and Lenin Ave.,
a 1.7-fold increase in the number of actinomycetes, and 1.5-fold increase in the number
of micromycetes were observed in the soil of KMP, which could be due to specific plant
stimulation of microbial taxa resistant to heavy metals.

The rhizosphere populations of E. frumentacea grown in the background soil of Yasnaya
Polyana were characterized by the lowest taxonomic diversity compared to the rhizomes
of plants grown in contaminated urban soils. The species richness index was maximal
for rhizosphere communities of plants grown on Tulachermet soils. The taxonomic struc-
ture of the rhizospheric microbiomes of E. frumentacea was represented by the dominant
bacterial phyla Proteobacteria and Actinobacteria, as well as the phyla Planctomycetes,
Chloroflexi, Acidobacteria, and Bacteroides. Compared to the control soil, the cultivation
of E. frumentacea plants in urban soils led to a change in the ratio of the main phyla. The
share of Proteobacteria (~52% in control, 27–36% in urban soils) and Firmicutes (>4% in
control, <2–4% in urban soils) decreased, but the shares of Actinobacteria (~18% in control,
22–31% in urban soils), Planctomycetes (~4% in control, 6–10% in urban soils), Chloroflexi
(~3% in control, 6–7% in urban soils), Acidobacteria (~4% in control, 5–9% in urban soils),
and Bacteroides (~5% in control, 4–8% in urban soils) increased (Table A1).

The data of metagenomic analysis characterizing the rhizospheric microbiome of E. fru-
mentacea plants grown on different soils make it possible to assume that the dominant fami-
lies are Gaiellaceae and Nocardioidaceae (Actinobacteria), Sphingomonadaceae, Hyphomi-
crobiaceae, Comamonadaceae, Oxalobacteraceae, and Xanthomonadaceae (Proteobacteria),
and the families Pirellulaceae (Planctomycetes), Cytophagaceae, and Chitinophagaceae
(Bacteroides) can participate in the formation of the rhizobiome of E. frumentacea (Table A1).
Sun et al. (2018) suggested a potential ecological role for Gaiellaceae in metal-contaminated
soils, finding their increased numbers in sequencing libraries and a close significant cor-
relation with various metals’ or metalloids’ content. In our study, in four out of five soil
samples, the Gaiellaceae family was dominant, reaching a maximum in the Tulachermet
soil. It can be assumed that representatives of the Gaiellaceae family can form the so-called
“core” rhizobiome of E. frumentacea plants, being present in its rhizosphere under various
conditions. Representatives of the Planctomycetes and Bacteroides phyla also seem to
contribute to the formation of the “core” rhizobiome of E. frumentacea. Thus, Pirellulaceae
(Planctomycetes), Cytophagaceae, and Chitinophagaceae (Bacteroides) families make up a
significant share in the rhizospheric microbial populations of plants grown in various soils.

Thus, the qualitative and quantitative changes in the rhizospheric microbial popula-
tions of E. frumentacea under the influence of technogenic soil pollution have been found.

5. Conclusions

The study of the adaptive characteristics of Echinochloa frumentacea revealed that soils
with a high degree of contamination with a complex of HMs and petroleum products have
an inhibitory effect on the germination and growth processes of Echinochloa frumentacea: on
the most polluted soils of the Embankment, a reduction in seed germination by 21–23%
and a decrease in growth parameters up to 3 times were observed.

A low level of contamination with the complex of HM in the sanitary protection zones
of metallurgical industries did not have a toxic effect on seed germination and stimulated
the quantitative characteristics of photosynthetic pigments and AOS of Echinochloa frumen-
tacea: the content of chlorophylls and low molecular antioxidants such as ascorbic acid and
glutathione (GSH) increased by 9–53%, 17–19%, and 5–15% respectively. The data obtained
indicate good adaptive characteristics of Echinochloa frumentacea to technogenic pollution of
soils by metallurgical enterprises.

The accumulation of Echinochloa frumentacea biomass on contaminated soils varied
within 4280–7920 kg/ha. The increase in shoot biomass in relation to plants on background
soils was shown for plants grown on metallurgical enterprises soils. The polyelement
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pollution of soils of the SPZ and of the highway contributed to the accumulation of the dry
mass of plants compared to background soils.

Echinochloa frumentacea is not suitable for Mn, Co, As, and Cd accumulation from
soils with polyelement contamination. The bioaccumulation of Pb was maximum in the
root system and constituted 1.57–7.38 mg/kg dry weight. V from polluted soils mainly
accumulated in the roots. The main method of V accumulation from soils is rhizofiltration.
The accumulation of Cu by the shoots and root system of plants makes it possible to consider
Echinochloa frumentacea as a Cu phytoremediant. The removal of Zn from contaminated
soils during a short vegetation period (1.5 months) was 168–508 g/ha. The obtained values
make it possible to recommend Echinochloa frumentacea for Zn removal from soils with
polyelement anomalies in combination with other species accumulating the element, in
intercrop mixtures.

The minimal number of all groups of microorganisms studied (on average, two times
lower than in the uncontaminated background soil) was noted in the Embankment soil,
which contains the highest concentrations of both inorganic (heavy metals) and organic
(petroleum products) pollutants. A two-fold increase in the number of bacteria was ob-
served in the rhizosphere of plants grown in the soils of Tulachermet and Lenin Ave., and
a 1.7-fold increase in the number of actinomycetes and a 1.5-fold increase in the number
of micromycetes were observed in the soil of KMP, which could be due to specific plant
stimulation of microbial taxa resistant to heavy metals.

The rhizosphere populations of Echinochloa frumentacea grown in the background soil
of Yasnaya Polyana were characterized by the lowest taxonomic diversity compared to the
rhizobiomes of plants grown in contaminated urban soils. The species richness index was
maximal for rhizosphere communities of plants grown on Tulachermet soils.

The data of metagenomic analysis characterizing the rhizospheric microbiome of E. fru-
mentacea plants grown on different soils make it possible to assume that the dominant fami-
lies are Gaiellaceae and Nocardioidaceae (Actinobacteria), Sphingomonadaceae, Hyphomi-
crobiaceae, Comamonadaceae, Oxalobacteraceae, and Xanthomonadaceae (Proteobacteria),
and the families Pirellulaceae (Planctomycetes), Cytophagaceae, and Chitinophagaceae
(Bacteroides) can participate in the formation of the rhizobiome of E. frumentacea.

Further detailed study of the properties of the selected microorganisms will make it
possible to select a promising inoculant to improve plant growth on contaminated soil to
increase the efficiency of its phytoremediation.
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Appendix A

Figure A1. Echinochloa frumentacea shoots (1.5 monthly) grown on the soils of the experimental zones:
from left to right: background, Tulachermet, KMP, Embankment, highway (Lenin Ave.).

Figure A2. The relative abundances at the phylum level of the microbial communities in the rhizo-
sphere of E. frumentacea grown on different soils.

Table A1. Taxonomic structure of rhizosphere microbial communities of E. frumentacea (%).

Taxonomic Associations of OTUs
Soil Samples

1 2 3 4 5

Unassigned; Other; Other; Other; Other 27.30 28.40 33.10 20.50 23.20
k__Bacteria;p__Acidobacteria;c__Acidobacteria-6;o__iii1-15;f__ 4.10 4.10 2.50 0.30 2.40
k__Bacteria;p__Acidobacteria;c__Acidobacteriia;o__Acidobacteriales;f__Acidobacteriaceae 0.00 0.00 0.00 1.50 0.00
k__Bacteria;p__Acidobacteria;c__Acidobacteriia;o__Acidobacteriales;f__Koribacteraceae 0.00 0.00 0.20 1.00 0.00
k__Bacteria;p__Acidobacteria;c__Sva0725;o__Sva0725;f__ 0.50 0.10 1.00 0.00 0.20
k__Bacteria;p__Actinobacteria;c__Acidimicrobiia;o__Acidimicrobiales;f__ 2.20 1.40 1.70 0.30 1.20
k__Bacteria;p__Actinobacteria;c__Acidimicrobiia;o__Acidimicrobiales;f__C111 1.70 1.90 0.40 0.00 1.00
k__Bacteria;p__Actinobacteria;c__Actinobacteria;o__Actinomycetales;f__ 0.20 0.50 0.30 2.40 0.20
k__Bacteria;p__Actinobacteria;c__Actinobacteria;o__Actinomycetales;f__Cellulomonadaceae 0.10 0.30 1.60 0.00 0.10
k__Bacteria;p__Actinobacteria;c__Actinobacteria;o__Actinomycetales;f__Intrasporangiaceae 0.80 1.50 0.60 0.70 1.00
k__Bacteria;p__Actinobacteria;c__Actinobacteria;o__Actinomycetales;f__Micrococcaceae 0.90 1.50 3.60 1.10 1.60
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Table A1. Cont.

Taxonomic Associations of OTUs
Soil Samples

1 2 3 4 5

k__Bacteria;p__Actinobacteria;c__Actinobacteria;o__Actinomycetales;f__Micromonosporaceae 1.00 0.80 0.40 1.30 1.50
k__Bacteria;p__Actinobacteria;c__Actinobacteria;o__Actinomycetales;f__Mycobacteriaceae 0.90 0.10 1.30 0.20 1.40
k__Bacteria;p__Actinobacteria;c__Actinobacteria;o__Actinomycetales;f__Nocardiaceae 0.50 0.00 0.10 0.20 1.60
k__Bacteria;p__Actinobacteria;c__Actinobacteria;o__Actinomycetales;f__Nocardioidaceae 3.10 2.00 1.60 1.80 3.70
k__Bacteria;p__Actinobacteria;c__Actinobacteria;o__Actinomycetales;f__Pseudonocardiaceae 0.80 0.70 0.10 0.40 1.30
k__Bacteria;p__Actinobacteria;c__Actinobacteria;o__Actinomycetales;f__Streptomycetaceae 1.20 0.10 0.30 0.80 1.80
k__Bacteria;p__Actinobacteria;c__MB-A2-108;o__0319-7L14;f__ 3.20 2.30 0.10 0.30 1.00
k__Bacteria;p__Actinobacteria;c__Thermoleophilia;o__Gaiellales;f__Gaiellaceae 3.80 6.10 1.00 4.00 4.00
k__Bacteria;p__Actinobacteria;c__Thermoleophilia;o__Solirubrobacterales;f__ 3.10 1.80 1.40 1.50 3.80
k__Bacteria;p__Actinobacteria;c__Thermoleophilia;o__Solirubrobacterales;f__Solirubrobacteraceae 0.80 0.40 0.00 0.10 1.90
k__Bacteria;p__Bacteroidetes;c__Cytophagia;o__Cytophagales;f__Cytophagaceae 1.40 3.00 2.00 0.40 2.20
k__Bacteria;p__Bacteroidetes;c__[Saprospirae];o__[Saprospirales];f__Chitinophagaceae 1.00 3.00 1.50 3.50 1.10
k__Bacteria;p__Chloroflexi;c__Ellin6529;o__;f__ 2.30 2.80 2.30 0.30 2.10
k__Bacteria;p__Chloroflexi;c__Gitt-GS-136;o__;f__ 1.40 1.20 0.80 0.10 0.90
k__Bacteria;p__Chloroflexi;c__Thermomicrobia;o__JG30-KF-CM45;f__ 1.00 1.60 0.90 0.10 1.60
k__Bacteria;p__Firmicutes;c__Bacilli;o__Bacillales;f__Bacillaceae 0.80 1.20 1.40 2.80 0.90
k__Bacteria;p__Firmicutes;c__Clostridia;o__Clostridiales;f__Veillonellaceae 0.20 0.50 1.10 0.00 0.00
k__Bacteria;p__Gemmatimonadetes;c__Gemm-1;o__;f__ 1.60 0.60 1.50 0.10 1.10
k__Bacteria;p__Gemmatimonadetes;c__Gemmatimonadetes;o__;f__ 0.40 0.50 1.00 1.50 0.90
k__Bacteria;p__Nitrospirae;c__Nitrospira;o__Nitrospirales;f__0319-6A21 1.40 0.30 0.00 0.00 0.10
k__Bacteria;p__Nitrospirae;c__Nitrospira;o__Nitrospirales;f__Nitrospiraceae 0.30 0.20 0.10 0.10 0.20
k__Bacteria;p__Planctomycetes;c__Phycisphaerae;o__WD2101;f__ 3.50 3.90 1.40 2.90 2.90
k__Bacteria;p__Planctomycetes;c__Planctomycetia;o__Gemmatales;f__Gemmataceae 1.10 1.30 0.80 0.20 1.00
k__Bacteria;p__Planctomycetes;c__Planctomycetia;o__Pirellulales;f__Pirellulaceae 3.20 2.40 3.00 0.50 3.80
k__Bacteria;p__Planctomycetes;c__Planctomycetia;o__Planctomycetales;f__Planctomycetaceae 0.50 0.60 0.70 0.10 1.20
k__Bacteria;p__Proteobacteria;c__Alphaproteobacteria;o__Caulobacterales;f__Caulobacteraceae 0.80 0.70 1.70 2.00 0.90
k__Bacteria;p__Proteobacteria;c__Alphaproteobacteria;o__Rhizobiales;f__Bradyrhizobiaceae 0.40 1.10 1.40 1.70 1.00
k__Bacteria;p__Proteobacteria;c__Alphaproteobacteria;o__Rhizobiales;f__Hyphomicrobiaceae 3.50 2.00 2.70 5.60 2.20
k__Bacteria;p__Proteobacteria;c__Alphaproteobacteria;o__Rhizobiales;f__Phyllobacteriaceae 0.40 0.20 0.40 0.50 1.20
k__Bacteria;p__Proteobacteria;c__Alphaproteobacteria;o__Rhizobiales;f__Rhizobiaceae 0.10 0.10 1.30 0.40 0.20
k__Bacteria;p__Proteobacteria;c__Alphaproteobacteria;o__Rhodospirillales;f__Rhodospirillaceae 1.20 1.10 0.80 1.90 0.90
k__Bacteria;p__Proteobacteria;c__Alphaproteobacteria;o__Sphingomonadales;
f__Sphingomonadaceae 4.10 2.60 3.60 12.70 5.40

k__Bacteria;p__Proteobacteria;c__Betaproteobacteria;o__Burkholderiales;f__Comamonadaceae 0.80 1.60 5.10 0.90 1.10
k__Bacteria;p__Proteobacteria;c__Betaproteobacteria;o__Burkholderiales;f__Oxalobacteraceae 2.70 3.50 2.50 3.30 1.30
k__Bacteria;p__Proteobacteria;c__Deltaproteobacteria;o__Myxococcales;f__ 0.80 2.90 1.80 0.30 1.00
k__Bacteria;p__Proteobacteria;c__Gammaproteobacteria;o__Pseudomonadales;
f__Pseudomonadaceae 0.10 0.10 2.40 1.00 0.40

k__Bacteria;p__Proteobacteria;c__Gammaproteobacteria;o__Xanthomonadales;
f__Sinobacteraceae 2.10 1.30 0.70 0.50 1.30

k__Bacteria;p__Proteobacteria;c__Gammaproteobacteria;o__Xanthomonadales;
f__Xanthomonadaceae 3.20 2.30 1.60 13.50 6.60

k__Bacteria;p__TM7;c__TM7-1;o__;f__ 0.50 0.20 2.10 1.30 0.20
k__Bacteria;p__Verrucomicrobia;c__[Spartobacteria];o__[Chthoniobacterales];
f__[Chthoniobacteraceae] 1.40 1.50 0.70 2.20 1.70

Notes: Soil samples: 1—KMP; 2—Tulachermet; 3—Embankment; 4—Lenin Ave.; 5—Background (Control).
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