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A B S T R A C T   

Use of per- and polyfluoroalkyl substance (PFAS)-containing aqueous film-forming foams (AFFF) at firefighting 
training sites (FFTS) has been linked to PFAS contamination of drinking water. This study investigated PFAS 
transport and distribution in an urban groundwater aquifer used for drinking water production that has been 
affected by PFAS-containing AFFF. Soil, sediment, surface water and drinking water were sampled. In soil (n =
12) at a FFTS with high perfluorooctane sulfonate (PFOS) content (87% of 

∑
PFAS), the 

∑
PFAS concentration (n 

= 26) ranged from below detection limit to 560 ng g− 1 dry weight. In groundwater (n = 28), the 
∑

PFAS 
concentration near a military airbase FFTS reached 1000 ng L− 1. Principal component analysis (PCA) identified 
the military FFTS as the main source of PFAS contamination in drinking water wellfields >10 km down-gradient. 
Groundwater samples taken close to the military FFTS site showed no 

∑
PFAS concentration change between 

2013 and 2021, while a location further down-gradient showed a transitory 99.6% decrease. Correlation analysis 
on PFAS composition profile indicated that this decrease was likely caused by dilution from an adjacent 
conflating aquifer. 

∑
PFAS concentration reached 15 ng L− 1 (PFOS 47% and PFHxS 41% of 

∑
PFAS) in surface 

river water (n = 6) and ranged between 1 ng L− 1 and 8 ng L− 1 (PFHxS 73% and PFBS 17% of 
∑

PFAS) in drinking 
water (n = 4). Drinking water had lower PFAS concentrations than the wellfields due to PFAS removal at the 
water treatment plant. This demonstrates the importance of monitoring PFAS concentrations throughout a 
groundwater aquifer, to better understand variations in transport from contamination sources and resulting 
impacts on PFAS concentrations in drinking water extraction areas.   

1. Introduction 

There is increasing concern about per- and polyfluoroalkyl sub
stances (PFAS), a group of highly fluorinated synthetic organic com
pounds comprising >4700 unique species recorded by the OECD (OECD, 
2018; Chelcea et al., 2020). Their surfactant-like, water- and 
oil-repellent properties and high chemical stability (Buck et al., 2011; 
Martin et al., 2019) have led to their use in a wide variety of consumer 
products and industrial processes (Herzke et al., 2012; Schultes et al., 
2018). They have therefore been produced in large quantities for over 
half a century (Lim et al., 2011; Wang et al., 2017). However, multiple 
PFAS have been shown to be persistent and non-susceptible to natural 
degradation (Lemal, 2004; Merino et al., 2016), resulting in bio
accumulation in biota (Pan et al., 2014; Rich et al., 2015) and associated 
adverse health effects (DeWitt, 2015; Schrenk et al., 2020). As a 

consequence, PFAS are increasingly regulated, e.g. by the Stockholm 
Convention on Persistent Organic Pollutants (POPs) (2018). A major 
exposure pathway for humans is through food and drinking water (Eu
ropean Food Safety Authority EFSA, 2012). Drinking water providers 
world-wide have been compelled to close PFAS-contaminated wells and 
in some cases find alternative sources of drinking water, e.g. in Sweden 
(Li et al., 2018), Japan (Murakami et al., 2009) and Germany (Gellrich 
et al., 2013). Firefighting training sites (FFTS) (Guelfo and Higgins, 
2013; Houtz et al., 2013; Filipovic et al., 2015a), industrial areas (Lin 
et al., 2009), wastewater treatment plants (WWTPs) (Houtz et al., 2016) 
and landfill sites (Busch et al., 2010; Benskin et al., 2012) are known to 
be key sources of PFAS to the environment such as drinking water source 
areas. Historically, use of aqueous film-forming foams (AFFF) at FFTS on 
municipal airport and military facilities has led to contamination of 
adjacent soil and groundwater (Ahrens et al., 2015; Baduel et al., 2015; 
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Filipovic et al., 2015b; Milley et al., 2018). Ionisable PFAS are 
water-soluble and are known to be released from soil and transported to 
adjacent surface waters (Place and Field, 2012) and groundwater (Hale 
et al., 2017; Guo et al., 2020; Sörengård et al., 2020b). However, there is 
a lack of long-term high-resolution field data on the transport and 
behaviour of PFAS in groundwater aquifers, which is essential for veri
fying transport models and improving risk assessment measures. 

One known PFAS-polluted site is the groundwater aquifer in 
Uppsala, Sweden, which supplies approximately 190 000 people with 
municipal drinking water. PFAS contamination of this aquifer has 
resulted in elevated blood serum levels in school children (Glynn et al., 
2020), young women (Gyllenhammar et al., 2015), first-time mothers 
(Miaz et al., 2020) and elderly people (Stubleski et al., 2016). Multiple 
FFTS have been identified in close proximity to the aquifer, wherein the 
military airbase FFTS located up-gradient from two drinking water 
wellfields is suspected to be the main point source (Gyllenhammar et al., 
2015; Samuelsson and Thorsbrink, 2019). To meet present and future 
PFAS thresholds for drinking water as established by national and in
ternational guidelines (Gobelius et al., 2018), it is imperative to un
derstand the link between PFAS-contaminated FFTS and their impact on 
PFAS levels in wellfield areas in Uppsala. A clearer understanding of 
sources and variations in PFAS concentrations in groundwater would 
facilitate sustainable management of the managed aquifer recharge 
(MAR) system in Uppsala. This would allow a formulation of a long-term 
PFAS removal strategy for Bäcklösa drinking water treatment plant 
(DWTP) (Belkouteb et al., 2020; Franke et al., 2021; McCleaf et al., 
2017) and help the local authority identify priority sites for PFAS 
remediation, e.g. using soil remediation technologies (Ross et al., 2018; 
Mahinroosta and Senevirathna, 2020). 

The overall aim of this study was to provide a holistic understanding 
of the complex PFAS contamination situation in the groundwater aquifer 
serving Uppsala, based on determination of PFAS concentration in soil, 
sediment, groundwater flow, surface water and drinking water. Thereby 
it is hypothesized that long-term high-resolution field data of PFAS 
composition profiles can be used to identify sources and exposure 
pathways. Extensive sampling was performed along the groundwater 
flow path and in drinking water production wells. The potential source 
zone was sampled over a period of eight years, which to our knowledge 
is the largest study to date of an urban groundwater aquifer used for 
municipal drinking water. Spatial PFAS distribution and compositional 
profile were analysed to identify point sources at FFTS. Specific objec
tives of the work were to i) quantify the occurrence of PFAS in an urban 
groundwater aquifer area; ii) map the unique and complex PFAS 
transport pathways in the groundwater considering multiple point 
sources and the hydrogeological system; and iii) perform time-series 
analysis covering eight years (2013–2021) in order to identify tempo
ral variations in PFAS contamination of the municipal drinking water 
wellfields, thereby allowing sustainable management of drinking water 
source areas and reduced human exposure to PFAS. 

2. Material and methods 

2.1. Study site 

The study focused on the urban area of Uppsala, Sweden. Three small 
eskers (i.e. stratified glaciofluvial sediments of gravel and sand) drain 
into Uppsala groundwater aquifer, namely Jumskil esker from the north
west, Vattholma esker from the northeast and Sävja esker from the 
southeast. Groundwater flow direction in the Uppsala groundwater 
aquifer is from north to south covering a length of >10 km with the 
groundwater level approximately +35 m above sea level (MASL) at the 
aquifer’s northern groundwater divide and approximately +1 MASL at 
the aquifer’s low point in the south where groundwater is in contact 
with Lake Ekoln. The aquifer follows a main north-south fault line 
reaching depths of up to 150 m and is characterized by a hydraulic 
conductivity of approximately 10− 2 to 10− 3 m s− 1 with greater 

conductivity at some locations due to bedrock fracture zones. At sites 
where esker sediments are exposed at the ground surface north of 
Uppsala, artificial infiltration basins were established in 1965 as part of 
the MAR system for Uppsala City’s drinking water supply (Winquist, 
1992). The City’s drinking water has been affected by PFAS contami
nation of the groundwater, with 

∑
17PFAS concentrations of up to 250 

ng L− 1 (Belkouteb et al., 2020). This exceeds the existing Swedish 
drinking water guideline value of 90 ng L− 1 for the sum of 11 PFAS 
(
∑

11PFAS) (Swedish Food Agency, 2021) and the European Drinking 
Water Directive limit of 100 ng L− 1 considering 20 PFAS (European 
Commission Directive 98/83/European Commission, 2020). 

2.2. Sampling 

Samples of soil (n = 12), sediment (n = 2), groundwater (n = 28), 
surface water (n = 6) and drinking water (n = 4) were collected 
throughout Uppsala groundwater aquifer between May 22, 2014 and 
June 27, 2014 (for details of sampling, see text and Fig. S1 in Supporting 
Information (SI)). Three possible PFAS sources (FFTS-1, FFTS-2, FFTS-3) 
were considered. Source FFTS-1 consisted of two AFFF training locations 
(sampling points So1-So4) at a military airport site with historical PFAS- 
based AFFF usage pre-1985 to 2005. Soil samples at FFTS-1 could only 
be collected in the vicinity of the hotspot area, since the hotspot area 
itself has been excavated, with some material removed and the site 
covered with sandy filling material. Source FFTS-2 consisted of two civil 
locations (So6-So9) with documented AFFF usage from 1990 until pre
sent, while source FFTS-3 comprised one civil location (So10-So12) with 
documented AFFF usage from 1990 until approximately 1996. At FFTS- 
1, soil samples were not taken directly from the military training ground 
because of restricted access, and were instead taken at the perimeter of 
the facility (see Part S1 in SI). Groundwater samples were collected at 
four reference locations north of Uppsala (Björklinge (G1-G2) (n = 2) and 
Storvreta (G3-G4) (n = 2)), and also at locations slightly north of FFTS-1 
(G5-G7) (n = 3), near FFTS-1 (G8-G10) (n = 3), near and below FFTS-2 
(G16-G23) (n = 8), near FFTS-3 (G15) (n = 2) and along Uppsala 
groundwater aquifer (G5-G15, G24-G28) (n = 16). River water samples 
were collected along the Fyris river (W1–W2 and W4–W5) (n = 4) and in 
its tributary Sävja river (W3) (n = 1), where W4 and W5 were located 
downstream from Uppsala City’s major WWTP (Kungsängsverket). Out
going water from Gränby drinking water treatment plant to the east of 
Uppsala (D1) (n = 1) was sampled, as was tap water in the west, east, 
north and south of Uppsala (D2-D4). Sampling dates, coordinates, 
moisture content [%], organic matter [%], total inorganic carbon [%], 
total organic carbon [%], total carbon [%], clay [%], silt [%] and sand 
content [%], pH, temperature [◦C], groundwater well elevation [m a.s. 
l.], depth to water surface [m] pumping level [m] groundwater eleva
tion (m a.s.l.) are shown in Table S1 in SI. For temporal trend analysis of 
groundwater sampled at G8 and G9 (see section 3.3), samples were 
collected between 2013 and 2021 (n = 10) (Table S2 in SI). 

2.3. PFAS target compounds 

In total, 26 PFAS were targeted comprising: four perfluoroalkyl 
sulfonic acids (PFSA) (PFBS, PFHxS, PFOS, PFDS), 13 perfluoroalkyl 
carboxylic acids (PFCA) (PFBA, PFPeA, PFHxA, PFHpA, PFOA, PFNA, 
PFDA, PFUnDA, PFDoDA, PFTriDA, PFTeDA, PFHxDA and PFOcDA), 
three perfluoroctane sulfonamides (FOSAs) (FOSA, MeFOSA, EtFOSA), 
two perfluorooctanic sulfonamidoethanols (FOSE) (MeFOSE, EtFOSE), 
three perfluorooctanic sulfonamide acetates (FOSAA) (FOSAA, MeFO
SAA, EtFOSAA) and 6:2 fluorotelomer sulfonate (6:2 FTSA) (for further 
details, see Table S2 in SI). All samples were fortified with 100 μL of 20 
pg μL− 1 isotopically labelled internal standard mixture (IS) (13C8-FOSA, 
d3-MeFOSAA, d5-EtFOSAA, d3-MeFOSA, d5-EtFOSA, d7-MeFOSE, d9- 
EtFOSE, 13C4-PFBA, 13C2-PFHxA, 13C4-PFOA, 13C5-PFNA, 13C2-PFDA, 
13C2-PFUnDA, 13C2-PFDoDA, 18O2-PFHxS, 13C4-PFOS), which was used 
for quantification by the isotope dilution method. In temporal trend 
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analysis of groundwater, a total of 33 target PFAS were included 
(Table S3 in SI). 

2.4. Sample preparation and PFAS analysis 

Soil and sediment samples were analysed using a validated method 
(Ahrens et al., 2009). In short, all solid and sediment samples were 
homogenised, sieved to <2 mm and freeze-dried for 48 h, and then 5.0 g 
dry weight (dw) solids were transferred to 50 mL polypropylene (PP) 
tubes (Coringer). A two-step solid-liquid extraction was performed, first 
using 2 mL 100 mM sodium hydroxide in 80:20 methanol:Millipore 
water, followed by 20 mL of the same solvent spiked with 100 μL IS 
mixture. In the second step, a further 10 mL of solvent mixture were 
added. The samples were shaken for 60 min at 200 rpm and centrifuged 
at 3000 rpm for 15 min, and then decanted and neutralised using 100 μL 
of 4 M hydrochloric acid. An extract aliquot of 4.15 mL was transferred 
to a 15 mL PP tube and concentrated to 1 mL using a nitrogen evapo
rator. For clean-up, 1 mL extract, 25 mg ENVI-carb and 50 μL glacial 
acetic acid were added to a 1.7 mL PP micro centrifuge tubes (Eppen
dorf), vortexed for 30 s and centrifuged at 4000 rpm for 10 min. A 
volume of 0.5 mL was transferred to a 2 mL glass injection vial. 

Water samples were analysed according to Ahrens et al. (2009), 
starting with filtration through pre-heated (550 ◦C) 0.45 μm glass fibre 
filters into 1 L PP bottles. Then 0.5 L aliquots were spiked with 100 μL IS 
mixture and loaded onto a weak anion exchange (WAX) cartridges (500 
mg, 60 μm, 6 cc, Oasis, Waters, USA) for solid phase extraction (SPE). 
The cartridges were pre-conditioned with 4 mL 0.1% ammonium hy
droxide in methanol, 4 mL methanol and 4 mL Millipore water. The 
cartridges were then washed with 4 mL 25 mM ammonium acetate 
buffer at pH 4, dried and then eluted using 4 mL methanol and 4 mL 
0.1% ammonium hydroxide in methanol. The extracts were evaporated 
with nitrogen gas to 1 mL and transferred to 2 mL glass injection vials. 

The analyses were performed by high-performance liquid chroma
tography (HPLC), using a HP 1100 device (Agilent Technologies, Palo 
Alto, USA), coupled with tandem mass spectrometry (HPLC-MS/MS) 
(Agilent G 6410, Agilent Technologies, Palo Alto, USA) with electro
spray ionisation (ESI) in negative ionisation mode. For peak separation, 
a Synergi Hydro RP 80 A column (150 × 2 mm, 4 μm, Phenomenex) was 
used in combination with a 2 μm Hydro RP Mercury guard column (20 
× 2 mm, Synergi, Phenomenex). For data analysis and quantification, 
MassHunter software version 5 was used. 

For temporal trend analysis of groundwater (section 3.3), samples 
were collected in 250 mL PP bottles from sampling taps directly at the 
well heads and shipped to ALS Scandinavia in Stockholm, Sweden, for 
PFAS analysis by liquid chromatography-tandem mass spectrometry 
(LC-MS/MS) (ISO/IEC 17025). In compliance with US EPA 537 and CSN 
P CENT/TS, samples were homogenised and filtered before injection if 
the extract contained particles. 

2.5. Quality assurance and quality control 

All glassware was washed with distilled water, rinsed with ethanol 
three times, dish-washed, heated to 400 ◦C, and rinsed with methanol 
three times before use. Glass fibre filters were also heated to 400 ◦C prior 
to use. PP tubes were rinsed with methanol three times before use. Five 
duplicate water samples, and one duplicate and three triplicate soil 
samples, were analysed. For each batch of 10 samples, one duplicate and 
two laboratory blanks were used for soil/sediment (n = 3) and water 
samples (n = 10). The PFAS concentration in laboratory blanks ranged 
from below method detection limit (MDLs) to 0.64 ng g− 1 dw (PFBA) for 
soil/sediment and from below MDL to 3.2 ng L− 1 (PFDoDA) for water 
samples (Table S4 in SI). If compounds were detected in blanks, the MDL 
was calculated from average blank concentration plus three times 
standard deviation for the individual PFAS, while the lowest calibration 
point with signal to noise ratio >3 was used for PFAS not detected in 
blank samples. The MDL for soil/sediment samples ranged from 0.01 ng 

g− 1 dw to 1.2 ng g− 1 dw (PFBA), and the MDL for water samples ranged 
from 0.1 ng L− 1 to 14 ng L− 1 (PFDoDA) (Table S4 in SI). Relative re
covery, based on the average ratio of peak area of IS in samples 
compared with the calibration curves, ranged from 88 ± 11% (13C5 
PFNA) to 130 ± 13% (13C4-PFOA) for soil/sediment and from 43 ± 19% 
(d9-EtFOSE) to 97 ± 24% (d3-MeFOSAA) for water samples (Table S5 in 
SI). The difference between duplicate samples ranged from <1% (6:2 
FTSA in water) to 52% (PFDoDA in soil). For temporal trend analysis of 
groundwater, one blank sample, one spiked sample and one duplicate 
sample were analysed every 20 samples. 

2.6. Statistical analysis 

Investigation of relationships between samples was performed by 
principal component analysis (PCA) using Canaco software and nor
malised data. This approach was used for enabling fingerprinting anal
ysis and source tracing (Möller et al., 2010; Sörengård et al., 2020a). The 
model input was the compositional profiles of individual PFAS in each 
sample [fraction 0–1], obtained by dividing concentration of individual 
PFAS by total PFAS concentration. For statistical analysis, concentra
tions < MDL were excluded and, because of low concentrations, some 
samples (G1-G6, G28) were removed from the analysis (Table S6 in SI). 
Mean centring and autoscaling to unit variance were applied. 

3. Results and discussion 

3.1. Spatial distribution of PFAS 

3.1.1. Soil and sediment 
At the three FFTS investigated, a total of 25 out of 26 target PFAS 

were detected in at least one soil or sediment sample (So1-So12, 
Se1–Se2) (Fig. 1, Table S6 in SI). At FFTS-1 (samples So1-So4, taken at 
the perimeter of the military base), PFOS was the dominant compound, 
with an average concentration of 75 ng g− 1 dw (70% of 

∑
PFAS) in So1- 

So2 and 7 ng g− 1 dw (67% of 
∑

PFAS) in So3-So4, followed by FOSA 
(13%) and PFPeA (6%). These relatively low concentrations are likely 
the result of the earlier excavation and removal of highly contaminated 
material at the site. High PFAS concentrations were also found at the 
nearby military area outside the FFTS area (So5), with a 

∑
PFAS con

centration of 140 ng g− 1 dw dominated by PFOS (91%), indicating that 
PFAS concentrations are elevated not only at the FFTS itself, but also 
nearby. This is possibly due to unrecorded firefighting action, aerosol 
transport of PFAS, storm water run-off, cleaning of fire training equip
ment, and even leaky wastewater or stormwater pipelines. 

Unlike FFTS-1, FFTS-2 samples (So6-So9) were taken directly at the 
hotspot where PFAS-containing AFFF was used in the past, according to 
staff at the site. Thus, PFAS soil concentrations were considerably higher 
than at FFTS-1, with an average 

∑
PFAS concentration of 560 ng g− 1 dw 

in So8 and 180 ng g− 1 dw in So9, both dominated by PFOS (81% of 
∑

PFAS). However, the PFAS concentrations at FFTS-1 was most likely 
underestimated, since it was not possible to collect samples from the top 
soil layers in the actual hotspot area. In the FFTS-2 drainage pond 
sediment, the 

∑
PFAS concentration was 470 ng g− 1 dw (Se1) and 350 

ng g− 1 dw (Se2) (PFOS ~84% of 
∑

PFAS). 
At FFTS-3 (samples So10-So12), 

∑
PFAS concentrations were low, 

<2.8 ng g− 1 dw, which is similar to soil background concentrations in 
Sweden (Sörengård et al., 2022). 

In general, PFOS was the dominant compound in the soil and sedi
ment samples analysed in this study, which is in agreement with findings 
in most other studies on AFFF-affected soils (reviewed in Brusseau et al., 
2020). However, the maximum PFOS level recorded, 490 ng g− 1 dw at 
So9, was at the lower end of the range reported for other AFFF-affected 
firefighting training areas, e.g. median concentration 8700 ng g− 1 dw 
and maximum concentration 373 000 ng g− 1 dw at an AFFF-impacted 
site on a U.S. Air Force base (Brusseau et al., 2020). High concentra
tions of PFOS can persist in the top 1–3 m soil layer long after release of 
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AFFF, as shown in soil column field studies (Høisæter et al., 2019; 
Brusseau et al., 2020), experiments (Høisæter et al., 2019) and mathe
matical modelling (Guo et al., 2020). Topsoil sampling can be prob
lematic because of spatial heterogeneity within a source zone (Filipovic 
et al., 2015a). 

3.1.2. Groundwater 
In total, 18 out of 26 target PFAS were detected at least once in 

groundwater samples (G1-G28), with PFHxS (68% of samples), PFPeA 
(64%), PFOS (57%), PFBS (50%) and PFHxA (50%) most frequently 
detected (Fig. 2, Table S6 in SI). Groundwater concentrations and 
composition differed with proximity to the different FFTS. Just down- 
gradient from FFTS-1, groundwater samples G8 and G9 from moni
toring wells extending 33 and 16 m below ground surface, respectively, 
had high ΣPFAS concentrations, up to 1000 ng L− 1 at G9 and 280 ng L− 1 

at G8. The main substances detected were PFHxS (58–62% of 
∑

PFAS), 
PFOS (15–16%), PFHxA (8–12%) and PFBS (8–9%). Up-gradient of 
FFTS-1, samples from Jumskil esker (G1-G2 and G3-G4, 17 and 10 km 
away, respectively) and from the main Uppsala groundwater aquifer 
(G5-G7, G10; 1.5–3 km away) showed low PFAS concentrations (<MDL 
to 3 ng L− 1). This indicates that the PFAS contamination originated from 
FFTS-1, probably via Jumskil esker. Potential pollutant transport path
ways from FFTS-1 to groundwater could be through moraine soil layers 
and along shallow fractures in bedrock. Previous laboratory and 
computational studies have shown that the mobility of PFAS depends on 
their perfluorocarbon chain length, functional group and water and soil 
characteristics (Ochoa-Herrera and Sierra-Alvarez, 2008; Zhang et al., 
2014; Campos Pereira et al., 2018; Kibbey et al., 2021). In-field obser
vations of PFAS mobility are largely lacking (Tokranov et al., 2021). 

South of FFTS-1 the PFAS concentration gradually decreased, with 
concentrations of 220 ng L− 1 to 64 ng L− 1 (G12-G15) and, further 
southward, 57 ng L− 1 to 1.3 ng L− 1 (G24-G27) (Fig. 2). This decrease, by 
a factor of around 2–12, is in line with the dilution factor between the 
contaminated aquifer (Jumkil esker), with flow rate 5–25 L/s (Vatte
ninformationssystem Sverige, 2022), and Uppsala esker with flow rate 
125 L/s and mixing efficiency 50%. The average PFAS composition 

profile at sampling points G12-G14 was similar to that at G8 and G9, 
with PFHxS (51% of 

∑
PFAS), PFBS (19%), PFOS (13%) and PFHxA 

(6.7%) (for detailed discussion, see section 3.2). Farther south of the 
drinking water wellfields (G24-G26) the contribution changed slightly, 
with an increase in PFHxS (54% of 

∑
PFAS), a decrease in PFOS (3.1%), 

and presence of PFBS (11%), PFHxA (8.1%) and PFOA (6.0%). The 
percentage of PFHxS of the sum concentration of PFHxS + PFOS as a 
function of distance from G9 near FFTS-1 significantly increased (p <
0.001), while at the same time the percentage of PFOS significantly 
decreased (p < 0.001) (Fig. S2 in SI). The increase of the PFHxS over 
distance down-gradient of the source zone can be explained by the lower 
soil sorption strength of PFHxS compared with PFOS (Campos Pereira 
et al., 2018). Farther south of the urban city centre (G24-G28) and of 
FFTS-3, there was no apparent influence of another PFAS source, with 
the 

∑
PFAS concentration gradually decreasing to 1 ng L− 1 at G27 and 

<MDL at G28. This decrease is most likely explained by dilution along 
the aquifer originating from infiltration from surrounding vadose zones, 
although G27 could also be impacted by concentrations in Lake Ekoln, 
because of its close proximity (section 3.1.3). 

FFTS-2 showed also high PFAS contamination of the soil, dominated 
by PFOS (Fig. 1). However, in contrast to FFTS-1, the PFAS composition 
profile in groundwater near the hotspot area at FFTS-2 (G16-G20, G22- 
G23) generally reflected the soil PFAS composition profile, which was 
dominated by PFOS. The highest 

∑
PFAS concentrations were found at 

G21 (8000 ng L− 1) and G17 (2100 ng L− 1), with considerably higher 6:2 
FTSA levels at G21 (5400 ng L− 1, 61% of ΣPFAS). In contrast, 6:2 FTSA 
was not found in Uppsala groundwater aquifer. The detection of 6:2 
FTSA reflects a usage shift from PFOS-containing AFFF to PFAS 
precursor-containing AFFF, which are later degraded into perfluorinated 
PFAS species (Ahrens, 2011; Land et al., 2018). AFFF-affected soils are 
known to contain a significant amount of PFAS precursors, encom
passing over 100 species with varying properties (Houtz et al., 2013; 
Martin et al., 2019; Nickerson et al., 2021), but analytical challenges 
remain in assessing these. 

Fig. 1. Composition profiles (fraction of 
∑

26PFAS) in soil (So) and sediment (Se) and Σ26PFAS concentrations in ng g− 1 dw at the different sampling sites.  
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3.1.3. Surface water 
In the FFTS-2 drainage pond surface water (W6), discharged into 

Sävja river (W3), 18 out of 26 target PFAS were detected, with a ΣPFAS 
concentration of 3000 ng L− 1. The contribution of 6:2 FTSA was higher 
than in any other surface water sample (25% of 

∑
PFAS), indicating that 

use of PFAS precursor-containing AFFF and soil contamination is re
flected in run-off water. The high concentration of PFAS confirms that 
FFTS can also affect nearby surface water (Houde et al., 2008; Koch 
et al., 2021). 

In contrast to the soil and groundwater samples, only four (PFPeA, 
PFHxA, PFHxS, PFOS) of the 26 target PFAS were found in surface river 
water (W1–W5) (Fig. 3, Table S6 in SI). The ΣPFAS concentration ranged 
from <MDL to 15 ng L− 1 and was dominated by PFOS and PFHxS (80% 
of ΣPFAS). Minor, but still increasing, concentration changes were 
observed in the gradient on passing through urban areas of Uppsala City, 

most likely due to point sources such as the municipal wastewater 
treatment plant and FFTS-3. The ΣPFAS concentration in the Fyris river 
upstream of the urban area was <MDL (W1), followed by 8 ng L− 1 at W2. 
In Sävja river water (W3) it was 15 ng L− 1 and in samples from the 
southern part of the Fyris River (W4–W5) it was 13 and 11 ng L− 1, 
respectively. 

Outflow from the Fyris river estuary into Lake Ekoln, which is part of 
Lake Mälaren, Sweden’s largest source of drinking water, was estimated 
based on the southernmost river sampling point (W5). The 

∑
PFAS 

concentration was multiplied by modelled river flow rate [m3 s− 1] based 
on data acquired from the Swedish Meteorological and Hydrological 
Institute (SMHI, 2014) (Table S7 in SI). The highest estimated ΣPFAS 
flux was on average 60 g day− 1 (14 kg year− 1), with 19 g day− 1 (6.8 kg 
year− 1) of PFHxS, followed by 18 g day− 1 (6.5 kg year− 1) of PFOS 
(Table S7 in SI). Thus, the inflow of PFAS into Lake Mälaren is 

Fig. 2. Composition profiles (pie charts) and Σ26PFAS concentrations [ng L− 1] of detected PFAS in samples of groundwater (G1-G28). Firefighting training sites are 
indicated as FFTS-1 (F1, F2), FFTS-2 (F3, F4) and FFTS-3 (F5). Average values are given for sampling points G1, G6, G8 G10, G11, G12 and G20. 
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considerable. Detection of PFAS at a drinking water treatment plant 
using raw water from Lake Mälaren, which supplies Stockholm with 
drinking water, has recently been reported (Tröger et al., 2018; Ullberg 
et al., 2021). Although 

∑
11PFAS concentrations at Stockholm’s drink

ing raw water were relatively low (7.4 ng L− 1), removal efficiencies of 
PFAS at Stockholm’s drinking water treatment plant were low (<10%) 
and higher 

∑
11PFAS concentrations were found at Lake Ekoln near 

Uppsala (15 ng L− 1), which will eventually be transported to Stock
holm’s drinking raw water area (Tröger et al., 2018). 

3.1.4. Drinking water 
In total, four out of 26 target PFAS were detected in the drinking 

water samples (D1-D4) and the ΣPFAS concentration ranged from 1.0 
ng L− 1 (D2) to 8.0 ng L− 1 (D4) (Fig. 3, Table S6 in SI). Uppsala drinking 
water is known to have elevated PFOS, PFHxS and PFBS concentrations, 
resulting in exposure in humans (e.g. Gyllenhammar et al., 2015). 
Activated carbon filters have been installed to remove PFAS (Belkouteb 
et al., 2020), resulting in PFAS levels in outgoing water (samples D1-D4) 
that were below Swedish and European Union drinking water guideline 
values of 90 ng L− 1 for 

∑
11PFAS and 100 ng L− 1 for 

∑
20PFAS, 

respectively (Gobelius et al., 2018; European Commission, 2020). 
PFHxS was the most frequently detected PFAS in drinking water, 
reflecting the relative higher abundance of this compound in the deep 
esker groundwater drinking source. PFBS has shown to be more mobile 

than PFHxS and PFOS and has a lower removal efficiency using acti
vated carbon filters (McCleaf et al., 2017). Although there is consider
able presence of PFAS in the drinking water aquifer, time trend analysis 
of human blood serum samples has shown that previously elevated PFAS 
levels in affected cohorts have decreased considerably since 2012 
(Gyllenhammar et al., 2015; Stubleski et al., 2016; Miaz et al., 2020; 
Glynn et al., 2020). This is strongly related to more efficient PFAS 
removal in the drinking water treatment plant (McCleaf et al., 2017; 
Belkouteb et al., 2020), which demonstrates that mitigation actions can 
have successful outcomes and that efficient PFAS water treatment 
techniques should continue to be developed. 

3.2. Source tracing 

The PFAS composition profile in groundwater samples (i.e. PFAS 
fingerprint) (Möller et al., 2010; Sörengård et al., 2020a) was compared 
using PCA analysis, to trace the source of PFAS contamination in 
groundwater. The PCA results showed that PC1 and PC2 explained 40% 
and 24% of the variation in the data (Fig. 4), respectively. The loading 
plot showed that for PC1, PFOS and PFDS were the compounds with the 
highest impact, while for PC2 PFOS, PFHxS and PFHxA had the highest 
impact. Fig. 4 shows the PFAS compositional profile in groundwater at 
FFTS-1 (G8-G9 (green)) clustering with the groundwater samples along 
the southward aquifer flow (G10-G14 and G24-G27). The FFTS-2 

Fig. 3. Composition profiles (pie charts) and Σ26PFAS concentrations [ng L− 1] of detected PFAS in samples of surface water (W1–W5), an FFTS drainage pond (W6) 
and tap water (D1-D4). Firefighting training sites are indicated as FFTS-1, FFTS-2 and FFTS-3. Average values are given for sampling point W6. 

M. Sörengård et al.                                                                                                                                                                                                                             



Environmental Pollution 311 (2022) 119981

7

(G16-G23) scores clustered separately, indicating a different source than 
deep aquifer contamination. The FFTS-3 scores (G15) were located be
tween the two clusters, which might indicate an impact on the aquifer. 
However, this is unlikely as elevated groundwater concentrations were 
not observed downstream of FFTS-3 (see section 3.1.2). 

Ultimately, based on the PFAS fingerprints in PCA and elevated PFAS 
concentrations with close proximity between FFTS and aquifer, the re
sults indicate that FFTS-1 is the more probable original source of PFAS 
contamination in Uppsala groundwater aquifer. This means that the 
PFAS plume has migrated >10 km (from G9 to G26), which can be 
explained by high hydraulic conductivity and low PFAS sorption 
strength in the coarse glaciofluvial esker (Campos Pereira et al., 2018; 
Sorengard et al., 2019). Few previous studies have reported such 
long-distance transport of PFAS in an aquifer, although contamination of 
an aquifer 2 km downstream from two FFTS using PFAS-containing 

AFFF has been reported (Dauchy et al., 2019). Uppsala groundwater 
aquifer is located in an urban area, so other alternative sources cannot 
be ruled out, such as AFFF from vehicle or structural fires, industrial 
discharges, wastewater treatment plants and abandoned landfills. 
However, no alternative source is known to have utilised sufficiently 
large AFFF quantities to explain the PFAS concentrations in ground
water in the aquifer. 

Another industrial site located 1–2 km west of FFTS-2, and in close 
proximity to Uppsala groundwater aquifer, is known to have released 
AFFF, and a comprehensive external investigation was conducted in 
2019 (AECOM Report, 2020). The presence of PFAS was identified in all 
groundwater monitoring wells (n = 63), which included both perched 
and deeper groundwater, and in the deeper moraine groundwater (n =
26). Some samples showed Σ11PFAS levels exceeding 10 000 ng L− 1. In 
most (67%) of the monitoring wells, the compositional profile showed 
large proportions of PFOS and 6:2 FTSA (otherwise a homogeneous 
mix), which differed from the PFAS compositional profile observed in 
Uppsala groundwater aquifer in this study, where PFHxS was the most 
prominent PFAS. In addition, 6:2 FTSA was not found (all levels < MDL) 
in Uppsala groundwater aquifer in the present study, indicating that this 
particular industrial site was most likely not the main source of the PFAS 
pollution observed in Uppsala City’s wellfield or degradation of 6:2 
FTSA during transport (Merino et al., 2016). The PFAS composition can 
still change down-gradient of the source zone, e.g. because of the lower 
soil sorption strength of PFHxS compared with PFOS (Campos Pereira 
et al., 2018) the fraction of PFHxS can increase over distance. It has been 
shown that 6:2 FTSA has similar sorption strength as PFHxS (Campos 
Pereira et al., 2018; Sorengard et al., 2019). However, no increasing 
fraction of 6:2 FTSA was observed in the samples from Uppsala 
groundwater aquifer, a further indication that the industrial site in 
question did not cause the main PFAS contamination of the aquifer. 
Ultimately, this example shows the complex nature of source tracing in 
urban areas, with additional sources continually being identified over 
time. 

3.3. Temporal trends 

Monitoring well G9 at FFTS-1 had the highest levels of PFAS recor
ded in this study (Fig. 2A, year 2014), during long-term monitoring of 
Σ33PFAS concentrations at FFTS-1 since 2013 (Fig. 5B). Regression 
analysis of the eight-year time trend showed a significant decrease in 
Σ33PFAS concentration 2013–2021 (r2 = 0.68, p < 0.01), of 0.29 log 
units per year. Comparison of Σ33PFAS concentrations in groundwater in 
June 2021 with those at the first sampling in October 2013 showed that 
the concentration had decreased by 99.7% (from 2300 ng L− 1 to 71 ng 
L− 1). On the other hand, adjacent monitoring well G8, located closer to 
Jumskil esker, showed no significant decreasing linear regression time 
trend (p > 0.05) (Fig. 5A), which could be explained by its location 
closer to a continuous point source at FFTS-1. Historically, PFAS-based 
AFFF has been used at FFTS-1 between pre-1985 and 2005, and thus 
PFAS-based AFFF has not been used after the first sampling in October 
2013. The relative stable 

∑
PFAS concentration at G8 indicates that 

PFAS has been leached out from FFTS-1 even after discontinuation of the 
use of PFAS-based AFFF and impacted G8 at least until 2021. At the end 
of the monitoring period (2021), G8 had considerably higher Σ33PFAS 
levels (860 ng L− 1) than G9 (70 ng L− 1). Sampling point G9 is located at 
the confluence of Jumskil esker and Uppsala esker and is thus impacted by 
two different source waters with seasonally varying magnitude. Uppsala 
esker has a higher flow rate and is supplemented by infiltrated water 
from Uppsala City’s MAR system. 

In the G8 and G9 monitoring wells, the Σ33PFAS concentration 
showed high fluctuations, e.g. it increased by a factor of 3, from 88 ng 
L− 1 to 380 ng L− 1, in monitoring well G9 between June 2020 and 
September 2020. A previous time trend study in the monitoring well 
showed 2-fold variation over three years (2012–2014) (Gyllenhammar 
et al., 2015). This type of large variations in PFAS groundwater 

Fig. 4. Principal component analysis (PCA) score plot (main diagram) and 
loading plot (upper right corner) of composition profiles (fraction of individual 
∑

26PFAS) in groundwater from the different sites. Green dots represent 
groundwater samples near firefighting training site FFTS-1 (G8-G9), red dots 
represent FFTS-2 (G16-G23) and blue dots represent groundwater samples 
along the direction of flow (G7, G10-G15, G24-G27). The monitoring wells at 
points G12-G14 (marked in transparent blue and yellow dotted line) are in close 
proximity to the main intake well for a major Uppsala drinking water treatment 
plant. G11 and G10 have the same PFAS composition profile and thus lie on top 
of each other. Principal components PC1 and PC2 together explained 64% of 
the variance. (For interpretation of the references to colour in this figure 
legend, the reader is referred to the Web version of this article.) 
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concentration over time may be influenced by transport changes in the 
aquifer due to variations in seasonal groundwater flows, dilution, 
chemical changes such as pH (Du et al., 2014), Uppsala City’s MAR 
system, and variations in the rate of PFAS leaching from contaminated 
soil due to precipitation events and snowmelt. The PFAS decrease was 
not significantly correlated with water level in the well (p > 0.05) 
(Fig. S3 in SI), but presence of dilution effects is still supported by the 
strong correlation between individual PFAS over time for PFHxA, PFOA, 
PFBS, PFHxS and PFOS (r2 = 0.81–0.97, mean = 0.89) (Table S8 in SI), 
since the PFAS species would be affected differently by changes in 
source depletion and chemical fluctuations (Du et al., 2014). The low 
variation in compositional profile found in time trend monitoring means 
that the fingerprinting analysis (section 3.2, Fig. 4) can probably be 
extrapolated over time, but further data on PFAS concentrations over 
time are needed for validation. 

4. Conclusions 

Comprehensive analysis of PFAS concentrations in the Uppsala 
drinking water aquifer revealed that contamination was greatest in 
groundwater and was most likely caused by FFTS-1. This firefighting 
training site has used PFAS-containing AFFF in the past, and based on 
topography, drains to aquifer used for drinking water production. 
Quantification of PFAS levels showed that the esker-based drinking 
water aquifer had groundwater ΣPFAS concentrations of up to 1000 ng 
L− 1, dominated by PFHxS and PFOS. The complexity of PFAS transport 
from source to groundwater was illustrated by highly contaminated 
aquifer monitoring wells at FFTS-1. The ΣPFAS concentration was one 
order of magnitude lower down-gradient, probably because of dilution 
with water from the northern Uppsala groundwater aquifer. PCA anal
ysis of the PFAS compositional profile showed a strong association of 
PFAS concentrations at FFTS-1 and the groundwater drinking water 
source area, and a weak association of PFAS concentrations at FFTS-2. 
Eight-year time trend analysis (2013–2021) of the most contaminated 

monitoring well near FFTS-1 showed a transitory decrease of up to 
99.6% by 2021, resulting in a ΣPFAS concentration of 7.1 ng L− 1, which 
is below the drinking water guideline value of 90 ng L− 1. The decrease in 
concentration can be attributed to a net flux reduction from the source 
and dilution effects, considering the stable PFAS compositional profile. 

Surface waters were contaminated with PFAS and may have been 
affected by FFTS surface runoff, but also by WWTP effluents and diffuse 
sources. The main river was estimated to transport approximately 14 kg 
year− 1 downstream to Sweden’s largest drinking water source area, 
Lake Mälaren. The 

∑
PFAS concentrations in consumer tap water were 

found to be far lower than in the drinking water aquifer, with a 
maximum of 7.7 ng L− 1, which can be attributed to installation of 
activated carbon filtration in the drinking water treatment plant, which 
has decreased PFAS levels in human serum over time according to 
previous studies. The aquifer is currently mostly contaminated with 
PFHxS, while the soil at the hot-spot sites FFTS-1 and FFTS-2 is pre
dominantly contaminated by the slowly leaching PFOS. Thus, strategies 
for sustainable management of the contaminated aquifer should be 
based on continued monitoring of PFAS in both the aquifer and drinking 
water. This can verify the PFAS concentration time trend, support 
assessment of human health risks and determine the effects of previous 
(pre-2012) human exposure to unknown, but probably higher, levels of 
PFAS in the drinking water. 
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Sörengård, M., Kikuchi, J., Wiberg, K., Lutz, A., 2022. Spatial distribution and load of 
per- and polyfluoroalkyl substances (PFAS) in background soils in Sweden. 
Chemosphere 295, 133944. https://doi.org/10.1016/j.chemosphere.2022.133944. 

Stockholm convention on persistent organic pollutants (POPS), 2018. stockholm 
Convention on Persistent Organic Pollutants (POPS)- Texts and Annexes - Revised In 
2017. BRSMeas. http://chm.pops.int/?tabid=2511. (Accessed 25 April 2022). 
accessed.  

Stubleski, J., Salihovic, S., Lind, L., Lind, P.M., van Bavel, B., Kärrman, A., 2016. Changes 
in serum levels of perfluoroalkyl substances during a 10-year follow-up period in a 
large population-based cohort. Environ. Int. 95, 86–92. https://doi.org/10.1016/j. 
envint.2016.08.002. 

Swedish Food Agency. PFAS in drinking water and self-caught fish - risk management. 
https://www.livsmedelsverket.se/en/production-control-and-trade/drinking-wate 
r-production-and-control/t. (Accessed 25 April 2022). 

Tokranov, K., LeBlanc, A.R., Pickard, D.M., Ruyle, H.J., Barber, B.B., Hull, L.B., 
Sunderland, R.M., Vecitis, E.D., C, 2021. Surface-water/groundwater boundaries 
affect seasonal PFAS concentrations and PFAA precursor transformations. Environ. 
Sci. Process. Impacts 23, 1893–1905. https://doi.org/10.1039/D1EM00329A. 
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