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Preface to ”The Future of Coral Reefs: Research

Submitted to ICRS 2020, Bremen, Germany”

In connection with the 14th International Coral Reef Symposium (14th ICRS), originally planned

to be held in Bremen, Germany, in July 2020, arrangements were made with the MDPI journal Oceans

to produce a Special Issue associated with the conference, to which conference delegates could submit

papers based on their oral presentations or posters. However, due to the COVID pandemic, we had to

postpone the event. A virtual conference with more than 1300 participants was then held as the 14th

ICRS in July 2021, organised by University of Bremen, while an in-person meeting will take place as

15th ICRS in July 2022 in Bremen, Germany. We expect about 1000 in-person participants plus at least

500 virtual participants.

The first Special Issue (entitled “The Future of Coral Reefs: Research submitted to 14th ICRS”)

based on papers submitted by July 2021 has now been concluded. This Special Issue contains 16 very

interesting papers from different disciplines that can be downloaded here: https://www.mdpi.com/

journal/oceans/special issues/coral reefs. I would like to express my sincere thanks to the dedicated

Guest Editor of this first Special Issue, Rupert Ormond, for his immense and tireless job in assisting

the authors with improving their manuscripts.

Since the follow-up in-person meeting will take place in July 2022, it has been agreed that a

second Special Issue will also be published in Oceans. This sister volume will retain the same name

and continue to reflect the conference themes. Manuscripts for this second volume are to be submitted

by 30 September 2022.

Oceans is an open access journal that normally charges authors a fee. We are grateful to MDPI

and Oceans that they agreed to publish papers related to abstracts presented at the 14th ICRS

(virtual) and the 15th ICRS (in person) free of any charge or fees. This is a unique opportunity for

participants of both the 14th and the 15th ICRS to publish their work in an international, open access,

and peer-reviewed journal without any associated costs. The offer clearly goes beyond previous

proceedings of ICRS events.

This second volume will be edited by Oceans editors in cooperation with an editorial support

team consisting of Leila Chapron, Sebastian Ferse, Rupert Ormond, Ronald Osinga, Peter Schupp,

and myself.

We look forward to receiving contributions for this second Special Issue!

xi
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Abstract: Here, we report a new broad approach to investigating the presence and density of Symbio-
diniaceae cells in corals of the order Antipatharia subclass Hexacorallia, commonly known as black
corals. Antipatharians are understudied ecosystem engineers of shallow (<30 m depth), mesophotic
(30–150 m) and deep-sea (>200 m) reefs. They provide habitat to numerous organisms, enhancing and
supporting coral reef biodiversity globally. Nonetheless, little biological and ecological information ex-
ists on antipatharians, including the extent to which global change disturbances are threatening their
health. The previous assumption that they were exempted from threats related to the phenomenon
known as bleaching was challenged by the recent findings of high densities of dinoflagellates within
three antipatharian colonies. Further studies were thus necessary to investigate the broader unifor-
mity of these findings. Here we report results of an integrated methodology combining microscopy
and molecular techniques to investigate the presence and estimate the density of Symbiodiniaceae
cells within two antipatharians species—Cupressopathes abies and Stichopathes maldivensis—from both
shallow and mesophotic reefs of SW Madagascar. We found that Symbiodiniaceae-like cells were
present within samples of both species collected from both shallow and mesophotic reefs, although
the overall cell density was very low (0–4 cell mm−3). These findings suggest that presence or
high abundance of Symbiodiniaceae is not characteristic of all antipatharians, which is relevant
considering the bleaching phenomenon affecting other corals. However, the possibility of higher
densities of dinoflagellates in other antipatharians or in colonies exposed to higher light irradiance
deserves further investigation.

Keywords: coral reefs; symbiotic algae; dinoflagellates; Madagascar; symbiosis

1. Introduction

Coral reefs are both among the most biodiverse of marine habitats and among the most
productive ecosystems on Earth [1]. However, most of our information ‘about them is based
on our knowledge of shallow reefs (<30 m depth). Light-dependent reefs can thrive in
deeper waters though. Mesophotic coral ecosystems (MCEs) are light-dependent coral reefs
found typically from 30 to 150 m in tropical and subtropical regions [2]. Hereinafter, MCEs
are also referred to as ‘mesophotic reefs’ for the ease of the reader, a phrase considered
analogous with the term ‘shallow reefs’. Mesophotic reefs have been estimated to represent
about 80% of potential coral reef habitat by area worldwide; however, we know little about
them compared to shallow reefs [3]. Scleractinians (hard corals) are present in MCEs, but to
a much lesser extent than in shallow reefs [3–5]. Instead, antipatharians, octocorals, sponges
and macroalgae provide most of the available habitat structure at these depths [3–5].

Oceans 2021, 2, 772–784. https://doi.org/10.3390/oceans2040044 https://www.mdpi.com/journal/oceans
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The order Antipatharia (subclass Hexacorallia) consists of seven families and around
270 species [6,7]. These corals occur in most oceans at depths ranging from 2 to 8900 m,
generally favouring strong currents and low-light environments [8,9]. Antipatharians do
not produce a calcium carbonate skeleton; instead, the thorny axial skeleton is composed of
a proteinaceous complex called antipathin [10,11]. It has been suggested that antipatharians
tend to increase in diversity and abundance with depth, reaching a peak at mesophotic
depths (30–150 m) [12]. Nonetheless, dense aggregations of antipatharians have also been
observed in shallow (<30 m depth) clear water environments [13,14], Gress pers. obs.
Further, they are important habitat-providing corals with which an array of marine fauna
associates [9,13,15–18]. For instance, in the Philippines, the average density of invertebrate
macrofauna associated with antipatharians ranged from 82 to 8313 individuals m−2 [14].
Thus, antipatharians can be considered ecosystem engineers supporting and enhancing
marine biodiversity at shallow, mesophotic and deep-sea depths.

However, limited studies have evaluated their current condition under increasing
threats, such as those associated with global warming. In the closely related Hexacorallian
order of scleractinia, global warming has led to extensive mortality due to temperature-
related coral bleaching. Bleaching is the consequence of a disturbance of the symbiotic rela-
tionship between dinoflagellates and scleractinians on both shallow and mesophotic reefs
as a result of climate change—a causal relationship that is well established [19–22]. Never-
theless, our understanding of the physiological mechanisms underlying the endosymbiotic
association between dinoflagellates and their cnidarian host has been frequently revised,
and this relationship is still not fully understood. It now appears that four of the seven
genera of Symbiodiniaceae are found in symbioses with scleractinian corals (Symbiodinium,
Breviolum, Cladocopium and Durusdinium) [23,24]. The translocation of photosynthetically
fixed carbon from the symbiont to the host is considered the best-known aspect of the
coral–algae symbiosis. However, the amount of photosynthetic carbon translocated to the
host and the identity of the compounds are not fully known [25].

In the coral–algae symbiotic association, Symbiodiniaceae harvest sunlight for photo-
synthesis and dissipate excess energy so as to prevent light-induced oxidative stress [26–28].
Under ambient conditions (i.e., not heat and light-stressed), Symbiodiniaceae absorbs light
that can be (1) used to drive photochemistry, (2) re-emitted as fluorescence, (3) dissipated
as heat or (4) decayed via the chlorophyll triplet state [26–29]. Experiments have shown
that Symbiodiniaceae in scleractinians, under typical irradiances at shallow coral reefs
(640 μmol photons m−2 s−1), dissipate 96% of the energy and use only 4% of the absorbed
light energy for photosynthesis [26]. However, over prolonged periods of water tempera-
ture alterations, the invertebrate host needs to lower the number of its symbionts because
the oxidative stress, which results from the production and accumulation of reactive oxy-
gen species (ROS), can damage lipids, proteins and DNA [27,30]. When corals reduce the
number of their symbionts, the main source of ROS production is removed, although the
coral host itself may also produce ROS as a result of light and temperature [27]. Oxidative
stress on corals results in a lack or low number of dinoflagellates and their photosyn-
thetic pigments, an effect known as ‘coral bleaching’. Three potential mechanisms have
been suggested for the regulation of symbiont numbers under such stressful conditions:
(i) expulsion of excess symbionts; (ii) degradation of symbionts by host cells; and
(iii) inhibition of symbiont cell growth and division controlled by the pH of the host
cell [25,31].

The earliest suggestion of dinoflagellates being present in antipatharian tissues comes
from the Report on the Antipatharia collected by H.M.S. Challenger by Brook [32]. A few years
later, in a report on The Antipatharia of the Siboga Expedition, van Pesch [33] documented
six species containing what he referred to as ‘symbiotic Algae’ ranging from 7–10 μm
in diameter present in the gastrodermis. Significantly, he reported observing these cells
in only six out of the thirty species he examined [33]). With no more empirical studies
or reports for many decades and given antipatharians ability to thrive at abyssal depths
and in low-light environments, they were assumed to lack Symbiodiniaceae, which is
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commonly referred to as ‘being azooxanthellate’ [8,34]. Moreover, a few later reports using
molecular techniques did not find dinoflagellates in the antipatharian species examined.
For instance, after intense morphological studies, dinoflagellates were reported absent
in Antipathes grandis VERRILL, 1928, from Hawaii [35]. Likewise, dinoflagellate-specific
primers and spectrophotometric methods that detect dinoflagellate chlorophyll absorbance
patterns did not reveal any found microalgae in the species Stichopathes luetkeni (BROOK,
1889) (formerly called Cirrhipathes lutkeni) [36].

In contrast, in accordance with the early historical suggestions, two more recent studies
have confirmed the presence of Symbiodiniaceae in various antipatharian species. A histo-
logical analysis of 14 antipatharian species collected from a depth between 10 and 396 m from
Hawaii and Johnston Atoll revealed low densities (0–92 cells mm−3) of Symbiodiniaceae
cells inside antipatharian gastrodermal tissues, suggesting that the dinoflagellates are en-
dosymbiotic [34]. Additionally, dinoflagellates sequences retrieved from the antipatharians
confirmed the presence of Symbiodiniaceae in the genera Cladocopium, Gerakladium and
Durusdinium. However, it was concluded that the endosymbiotic dinoflagellates had no
significant role in the ‘nutrition’ of the species examined and suggested more research to
determine whether the association might be parasitic [34]. The conclusion was based on
the low density of microalgae cells within the antipatharians and their presence in colonies
at depths where light penetration does not enable photosynthesis. They did not find any
pattern in the types of Symbiodiniaceae present in the different antipatharian species;
therefore, they suggested that endosymbiont acquisition might occur opportunistically
and not be host-specific. In another recent study conducted on a single species of the
genus Cirrhipathes from Indonesia, two colonies were sampled at 38 m and one at 15 m
and evidence of abundant (~107 cells cm–2) Symbiodiniaceae cells in the gastrodermis of
the corals was found [37]. Among these, the authors identified two genera—Cladocopium
and Gerakladium—the latter commonly found in association with clinoid sponges. They
concluded that a mutualistic endosymbiosis existed based on the presence of the dinoflagel-
lates inside the antipatharian gastrodermis and a symbiosome surrounding the microalgal
cell, combined with evidence of its division inside the host [37]. These findings led us to
reconsider our view of the vulnerability of antipatharians to global change and prompted
us to further investigate the occurrence of dinoflagellate symbionts in antipatharian species.

Most lineages in the subclass Hexacorallia are believed to have evolved photosym-
bioses independently [38], with the order Antipatharia being one of the exceptions until
evidence of antipatharian species hosting dinoflagellates inside the coral gastrodermis was
found [34,37]. However, these two studies presented two contrasting conclusions. In one
case, it was concluded that the presence of the Symbiodiniaceae was opportunistic, and in
the other, it was concluded that a mutualistic endosymbiosis existed. Those conclusions
were based on the presence and abundance of the Symbiodiniaceae cells and their location
in the host tissue, although from a very limited number of specimens. The present study
was therefore undertaken with the objective of gaining further insight into the possibility
of antipatharians hosting high abundances of dinoflagellates, expanding the geographic
range of the species studied and the number of colonies examined. We used an inte-
grated methodological approach, combining both microscopy and molecular techniques
to investigate the presence, abundance, location and identity of Symbiodiniaceae in two
antipatharian species—Cupressopathes abies (LINNAEUS, 1758) and Stichopathes maldivensis
COOPER, 1903. Our samples represent two different morphologies and were collected
from both shallow and mesophotic reefs in SW Madagascar.

2. Materials and Methods

2.1. Site Description

Sample collection took place near the Great Reef of Toliara (GRT), in SW Madagascar,
at a barrier reef almost 20 km long and 2 km wide, bordered by freshwater rivers at
its northern (Fiherenana River) and southern (Onilahy River) extremities (Figure 1a).
Coral communities, including scleractinians and antipatharians, were first documented

3



Oceans 2021, 2

in shallow (<30 m depth) and mesophotic reef (at depths between 35 m and 55 m) areas
in the 1970s [39]. More recent studies have documented severe reef degradation due to
fisheries, pollution and heavy sedimentation derived from the adjacent rivers [40–42], as
well as coral bleaching episodes [43]. Antipatharian samples were collected in November–
December 2018 on shallow (20 m depth, 23◦20.978′ S, 43◦36.885′ E—Site 1) and mesophotic
(40 m depth, 23◦21.345′ S, 43◦36.348′ E—Site 2) reefs (Figure 1a) during a non-bleaching
episode. Figure 1b shows the annual median for 2018 of the diffuse attenuation coefficient
for downwelling irradiance at 490 nm in m−1 (Kd 490) over the wider region as obtained
from satellite data (MODIS-Aqua), a proxy for water turbidity [44].

Figure 1. (a) Map showing the location of study sites 1 and 2 (white circles) near the Great Reef of Toliara (GRT) in SW
Madagascar. (b) Annual median of the diffuse attenuation coefficient for downwelling irradiance at 490 nm in m−1 (Kd 490) for
the year 2018 over the wider region (black circle indicated the location of the GRT). Satellite data derived from MODIS-Aqua
accessed through OceanColor (https://oceancolor.gsfc.nasa.gov, accessed on 2 April 2019). Increasing coefficient values
indicate higher water turbidity.

2.2. Sample Collection

Two antipatharian species, which were the most abundant species at the sites, the
bottle-brush-like Cupressopathes abies (Figure 2a) and the whip-like Stichopathes maldivensis
(Figure 2b), were sampled. Six colonies of each species were sampled at a 20 m depth and
five colonies of each at a 40 m depth in November–December 2018 (permit
no. 089/19/MESipReS). Colony height ranged between 25 and 35 cm for C. abies and
200 and 250 cm in height for S. maldivensis. It has been shown that Symbiodiniaceae abun-
dance and clade can vary at the intra-colony level [24]; therefore, three samples 3–4 cm
long were taken from each colony at the top, the middle and the base, making a total of
66 samples from 22 separate colonies. Half of every sample was preserved in 100% ethanol
for subsequent molecular analysis. The other half was fixed in 3% glutaraldehyde buffered
with 0.1 M sodium cacodylate before rinsing and storing them in 70% ethanol for later
morphological study. Due to the minute size of their polyps (~0.7 mm, Figure 2a), prior to
fixation, samples of C. abies were placed in a 5 g/L magnesium chloride solution buffered
in filtered sea water in order to relax the polyps and tentacles so as to facilitate further
observation.
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Figure 2. (a) The bottle-brush-like Cupressopathes abies and (b) the whip-like Stichopathes maldivensis, with an image showing
a section of two individual polyps in the bottom right corner. Scale bars of polyp images = 1 mm.

2.3. Isolation of Symbiodiniaceae Cells

From each of the 66 samples preserved in 100% ethanol, 1 cm fragments were cut,
amounting to an estimated 20 mg of tissue for both species. Each fragment included
about two polyps in the case of S. maldivensis or about eight polyps in the case of C. abies.
Following a method adapted from [45] to isolate Symbiodiniaceae cells from cnidarians,
samples were placed in 1.5 mL tubes with 500 μL of a 2 M sodium hydroxide solution.
These were incubated at 37 ◦C for 1 h and then vortexed at a medium speed (using an
Analitik Jena Tmix homogenizer) at the same temperature for about 2 h until complete lysis
of the antipatharian tissues had occurred. The tubes were then centrifuged at 8000 rpm for
3 min, and the supernatant was discarded, then the pellet was resuspended in ultra-pure
(Milli-Q) water and vortexed. One drop of lugol was added to the solution to re-stain
the cells that might have lost pigments after preservation. About 8 μL of the pellet in
7 μL was used per chamber. Counts of visible Symbiodiniaceae were undertaken using a
glass haemocytometer and an Axioscope A1 (Zeiss) light microscope. The number of the
microalgae cells in all nine squares (1 mm2 each) of four counting chambers per sample was
counted in order to estimate the density of cells per μL. To corroborate the efficiency of the
procedure, the isolation protocol was also carried out on fresh and preserved (100% ethanol)
samples of the scleractinian coral Seriatopora hystrix (Figure 3). To test for differences in
microalgae density between antipatharian species, depths and colony region (top, middle
or bottom part), a quasi-Poisson generalised linear model (GLM) was fitted using the ‘stats’
package in R [46]. The power to detect differences between depths was calculated using
the function ‘power.t.test’ in the same ‘stats’ package.
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Figure 3. Light microscopy images of Symbiodiniaceae-like extracts obtained through the sodium hydroxide isolation
method. (a) Extract from the antipatharian Cupressopathes abies showing only one Symbiodiniaceae-like cell (arrow) but
abundant cnidocytes. (b) Extract from the scleractinian Seriatopora hystrix showing numerous Symbiodiniaceae-like cells,
corroborating the efficiency of the isolation method. Scale bars = 10 μm.

2.4. Microscopy

(a) Histology

Histological sections were taken to determine the presence and location of Symbio-
diniaceae cells within the coral’s tissue. About 1.5 cm of each sample was dehydrated
using increasing concentrations of ethanol, then soaked in butanol at 60 ◦C for 24 h. These
samples were then embedded in liquid paraffin. Serial sections of 7 μm were cut using a
Microm HM 340E (Zeiss) microtome and stained with a Masson’s trichrome. The sections
were observed and photographed using an Axioscope A1 (Zeiss) light microscope and
Axiocam 305 camera.

(b) Transmission electron microscope (TEM)

For each species, sub-sample sections were made from the samples of the top, middle
and bottom part of one colony from a 20 m depth and one colony from a 40 m depth. For
S. maldivensis, due to the large size of the polyps (~6 mm, Figure 2b), sections of the tentacles
and of the oral cone were analysed separately, making a total of 18 sub-samples in all.
These sections, each about 1 cm long, were post-fixed for 1 h at room temperature with
1% osmium tetroxide in a 0.1 M sodium cacodylate and 2.3% sodium chloride buffer. They
were rinsed several times in the same buffer and dehydrated in an increasing concentration
series of ethanol. Samples were then placed in Spurr resin overnight before polymerisation
at 70 ◦C for 24 h. Then ultrathin sections of 50–70 nm were cut on a Leica Ultracut (UCT)
microtome equipped with a diamond knife and collected on formvar-coated copper grids.
These were stained with uranyl acetate and lead citrate and observed with an LEO 906E
(Zeiss) transmission electron microscope.

(c) Scanning electron microscope (SEM)

For each species, the samples corresponding to the middle sections of one colony from
a 20 m depth and one from a 40 m depth (each about 1.5 cm long) were studied under a
scanning electron microscope (SEM). The four samples stored in 70% ethanol were then
dehydrated for TEM analysis. Sub-samples were also made in order to be frozen with liquid
nitrogen before being cut randomly. The eight sub-samples were dried in a critical-point
dryer using CO2 as the transition fluid (Agar Scientific Ltd.) before being mounted on
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aluminium stubs and coated with gold in a JFC-1100E (JEOL) sputter coater. These samples
were observed and photographed with a JSM-7200F (JEOL) scanning electron microscope.

2.5. Molecular Analyses

Middle parts of the colonies of both species and from both depths (preserved in
100% ethanol) were cut into 8 mm fragments. The total genomic DNA of each sample was
extracted using QIAGEN DNeasy Blood & Tissue Kit using the manufacturer’s protocol.
The concentration and quality of DNA were examined at 260 nm using a spectrophotometer
(DeNovix). The internal transcribed spacer-2 (ITS2) region of the dinoflagellate ribosomal DNA
(rDNA) was amplified using the primers ITS-DINO (5′ GTGAATTGCAGAACTCCGTG 3′)
and ITS2-REV2 (5′ CCTCCGCTTACTTATATGCTT 3′) following conditions described in [47].
A second set of primers, SYM_VAR_5.8S2 (5′ GAATTGCAGAACTCCGTGAACC 3′) and
SYM_VAR_REV (5′ CGGGTTCWCTTGTYTGACTTCATGC 3′), were used for PCR amplifica-
tion of the ITS2 region, following the protocol described in [48]. This second set of primers
was used in addition to the former because it has been found to perform better than other
ITS2 primer sets tested on a range of Symbiodiniaceae ITS2 rDNA [48]. The presence of
amplicons was checked in a 2% agarose gel in Tris-Borate-EDTA buffer. A DNA extract
from a scleractinian coral of the genus Acropora from Toliara (Madagascar) was used as
positive control.

3. Results

3.1. Dinoflagellate Cells Count

The isolation of Symbiodiniaceae-like cells with sodium hydroxide should have en-
abled efficient isolation of the microalgal cells if present within the coral tissues and
also isolated cnidocytes (Figure 3). For both antipatharian species and both depths
(all 66 samples), dinoflagellate cell density ranged between 0–4 cells mm−3. Microalgae
density was different between the two species (t = 2.36, p = 0.029; Table 1), with a mean den-
sity of 0.037 ± 0.013 cells mm−3 (mean ± SE) for C. abies and 0.121 ± 0.034 cells mm−3 for
S. maldivensis. The mean density difference between the two species was 0.084 cells mm−3

regardless of the depth. No significant difference was detected based on the region of
the colony using the quasi-Poisson GLM; therefore, the factor ‘region’ was removed from
the model (the average dinoflagellate cell density from the three regions of each colony
was calculated to obtain a mean cell density per colony for further analyses). No signifi-
cant difference was detected in Symbiodiniaceae-like density between depths (t = −1.577,
p = 0.131; Table 1). However, the statistical power to detect a significant difference in cell
density between depths for each species was limited. The results of a power analysis
showed a low power of 0.26 (Type II error rate 74%) for S. maldivensis and 0.06 (Type II
error rate 94%) for C. abies to detect differences between depths.

Table 1. Results of the quasi-Poisson GLM test for differences between species and depths. The intercept
represents C. abies dinoflagellate cell density. Significant p-value (p < 0.05) are shown in bold.

Factor Estimate Standard Error t-Value p-Value

Intercept −2.27 0.74 −3.08 0.006

S. maldivensis 1.16 0.49 2.36 0.029

Depth −0.04 0.02 −1.58 0.131

3.2. Morphological Analyses

Histological sections could only be produced for the S. maldivensis samples.
Symbiodiniaceae-like cells could be observed in both the polyps and the gastrovascu-
lar gastrodermis of the sections examined (Figure 4). From most paraffin blocks containing
samples of C. abies, sections of the tentacles and oral cone were not obtained because there
is only a thin layer of tissue surrounding the skeleton, but cells likely to be Symbiodini-
aceae could not be detected in the few successful sections that were made. Ultrastructural
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(TEM) observations were possible for all 18 samples examined from the two species, but
no Symbiodiniaceae-like cells could be identified in any of them. Mucous cells, zymogen
granules, and a large number of cnidocytes, including spirocysts and b-mastigophores
were evident (Figure 5). On SEM examination, round cells of different sizes (3–10 μm)
were observed, among which the larger round cells inside the gastrodermis of the polyp
gastrovascular cavity (~8 μm; Figure 6a) could be dinoflagellates cells. More abundant
were smaller round cells (3–4 μm), which are likely to be the vesicular mucous cells also
observed on the ultrastructural analysis (Figure 6b).

 

Figure 4. Histological cross-sections of a Stichopathes maldivensis polyp. Symbiodiniaceae-like cells (arrows) are observed in
the gastrodermis of the gastrovascular cavity (a) and in the gastrodermis of a lateral tentacle (b). (c) Inset for comparison
is an image from Wagner et al. ([34], Figure 2c) in which Symbiodiniaceae cells were identified through histological
examination and molecular analysis. Scale bars = 20 μm.

 

Figure 5. Transmission electron microscope (TEM) images of a cross-section of a Cupressopathes
abies polyp tentacle. (a) Ultrastructural view of numerous cnidocytes, including: spirocysts (sp) and
b-mastigophores (b-m), as well as spumous mucous cells (sp.m). (b) Longitudinal section of mature
spirocysts (sp). (c) Close view of zymogen granules (zym) and spumous mucous cells (sp.m) inside
the gastrodermis. (d) Cross-section of mature b-mastigophores. Scale bars = 2 μm.
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Figure 6. Scanning electron microscope (SEM) images of a Stichopathes maldivensis polyp. (a) A round
potentially dinoflagellate-cell of about 8 μm inside the gastrodermis of the polyp gastrovascular
cavity (white arrow). Numerous b-mastigophores can be observed in the ectoderm (blue arrows).
(b) Smaller round cells (3–4 μm) that are likely to be mucous cells (white arrow) in the polyp ectoderm.
The image also shows several b-mastigophores aligned among which one has a broken capsule which
exposes the cnidocyte tubule (black arrow). (c) Closer view of spirocysts in a polyp tentacle ectoderm.
Scale bars: a = 10 μm, b = 2 μm, c =1 μm.

3.3. Symbiodiniaceae Molecular Analysis

No ITS2 sequences of Symbiodiniaceae were successfully amplified from any of the
antipatharian DNA extractions. However, the positive control (scleractinian coral DNA
extraction) did produce a band on the agarose gel, implying that the method was being
used correctly. This was the case for both sets of primers used.

4. Discussion

4.1. Overall Analysis Results

Despite photosymbiosis being evolutionarily conserved within most lineages in the
subclass Hexacorallia [38], an endosymbiotic association between antipatharians and
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Symbiodiniaceae has not been clearly established. High densities of dinoflagellates
(~107 cells cm–2) were found in three whip-like colonies (Cirrhipathes sp.) [37]. There-
fore, it was considered that a study involving a higher number of samples was required in
order to assess the microalgal presence and estimate their densities in a greater number
of samples from more species and to identify possible patterns regarding species, colony
morphology and depth. The present study showed either none or only very low densities
(0–4 cells mm−3) of Symbiodiniaceae-like cells in both the whip-like S. maldivensis and the
bushy C. abies, both on shallow and on mesophotic reefs. These new findings align with
both previous historical observations and more subsequent studies that found few, if any,
endosymbiotic algae in antipatharians [32–36]. These studies—ours included—evidence
that high abundances of dinoflagellates within antipatharians is not a common finding.
Considering the relevance of antipatharians for habitat provision on reefs and the increas-
ing extent of mass bleaching events affecting scleractinian corals, the possibility of most
antipatharians being exempt from this threat warrants further investigation.

While, in our study, the dinoflagellates’ identity could not be determined by molecular
analysis, the Symbiodiniaceae-like cells observed in the histological sections of the whip-like
S. maldivensis closely resembled those described in the other two studies [34,37] (Figure 4).
For future histological examination of antipatharians, where the tissue cannot be separated
from the skeleton (such as C. abies), we suggest experimenting with softening the skeletons
with a lytic polysaccharide monooxygenases (LPMOs) treatment [49]. We applied the same
sodium hydroxide isolation protocol—a protocol found to be effective for scleractinians
and other cnidarians [45]—to a scleractinian coral fragment, and it was clear that the cells
obtained were Symbiodiniaceae (Figure 3). Nevertheless, it is probably safer to refer to the
cells in our antipatharian samples only as being Symbiodiniaceae-like.

In the present study, Symbiodiniaceae-like cells were observed in the SEM and histo-
logical examination located inside the coral gastrodermis of S. maldivensis (Figures 5 and 6).
This suggests an endosymbiotic association, which was also suggested from histological
sections analysis and from ultrastructural analysis [34,37]. The fact that no Symbiodiniaceae
ITS2 sequences were amplified from the DNA extractions in this study seems most likely
due to the extremely low density of dinoflagellates. In the two studies where identification
was possible, different genera (Cladocopium, Gerakladium and Durusdinium) were reported
to be associated with different antipatharian species [34,37]. Such plasticity, even at the
intra-colony level, has also been evidenced in more recent studies on scleractinian corals
and is believed to be environmentally driven [24]. Moreover, there is evidence to suggest
that the same Symbiodiniaceae species may be mutualistic in one host context but oppor-
tunistic in another [50]. Therefore, the identity of the dinoflagellates alone is insufficient to
determine the type of symbiosis. Further studies will be necessary to determine the nature
of the association between Symbiodiniaceae and antipatharians, particularly in cases where
microalgae abundance is high, as in [37].

4.2. Dinoflagellate Density Difference between Species

Density estimates showed that colonies of the whip-like S. maldivensis had significantly
more Symbiodiniaceae-like cells within their tissues compared to C. abies regardless of
depth (0.084 mean cells mm−3 density difference, Table 1). However, due to the very low
densities of dinoflagellates observed in both species, it is difficult to determine the biological
significance of this difference. To date, a single study examined multiple species (14) and
different colony morphologies (both whip-like and branching) [34]. The branching species,
Antipathes griggi, recorded the highest density (0–92 cells mm−3), although microalgal
cells were observed in only one of the eight colonies of this species examined. Variation
in density was also observed in our study, which is the first to have examined several
colonies of the same species from two contrasting depths. Of the eleven colonies of each
species, only four colonies of C. abies and seven of S. maldivensis were observed to contain
microalgae. On the other hand, no differences were found between the three different
regions (top, middle and base) within any single colony. This suggests that the intra-specific
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variability recorded in [34], as well as ourselves, is unlikely to be caused by variations
in the microalgal cell density between different parts of the colonies. From this limited
information, it seems plausible that other factors, rather than species or morphology, might
account for the greater numbers of microalgal cells found in some antipatharian colonies.

4.3. Dinoflagellate Density Difference between Depths

Contrary to expectation, no statistically significant difference in dinoflagellate density
was found between shallow and mesophotic depths, although the mean dinoflagellates
density at 20 m depth was greater than at 40 m depth in both species (the mean differ-
ences between depths being 0.200 and 0.016 cells mm−3 for S. maldivensis and C. abies,
respectively). Differences in microalgae density can be inferred from previous studies. For
instance, among the 14 samples from different colonies of A. griggi from Hawaii for which
the cell density was reported, the highest densities were from the two colonies sampled
on shallow reefs [34]. The samples of Cirrhipathes collected in Bunaken, Indonesia, were
from two different depths (15 and 38 m) [37]. While it was not reported whether there
were any differences in Symbiodiniaceae density related to depth, the Kd 490 (proxy of
turbidity) values at 15 m and 38 m depth in Bunaken have been estimated to be very simi-
lar [50]. In Toliara, Madagascar, where the Kd 490 values indicate high turbidity (Figure
1b) due to sedimentation derived from river runoff, light penetration at a 40 m depth is
likely to be considerably reduced (as was noticeable during field work). However, it is not
inevitable that higher densities of Symbiodiniaceae should be found in association with
antipatharians in shallower water since it is believed that the uptake of dinoflagellates
in the coral–algae symbiotic association can be controlled by the coral host [25,31]. More
studies on antipatharian colonies exposed to higher radiations are therefore necessary to
assess the significance of high densities of dinoflagellates in antipatharians (assuming they
occur), and to understand the mechanism behind the association.

5. Conclusions

This study represents a broader integrative approach to investigating the presence
and density of Symbiodiniaceae in antipatharians than has been used in previous stud-
ies. We combined microalgal cell extraction, histological examination and transmission
and scanning microscopy with attempted sequencing of DNA samples. We found that
Symbiodiniaceae-like cells were present within some of the antipatharian samples of S.
maldivensis and C. abies from SW Madagascar, although the overall density of macroal-
gae cells in both antipatharian species from both shallow and mesophotic reefs was very
low. This low density aligns with the majority of previous findings, indicating that high
Symbiodiniaceae densities are not characteristic of antipatharians. These findings are sig-
nificant in the context of extensive ‘coral bleaching’ events threatening the integrity of coral
reefs, suggesting that most antipatharians are likely to be less prone to this phenomenon.
Nonetheless, considering that high densities of dinoflagellates have been documented in
three colonies of one antipatharian species, more studies are desirable to understand the
mechanism and implications of the coral–algae relationship within this coral taxon. Studies
on other effects that climate change might have on antipatharians are also desirable.
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Abstract: In recent years, the frequency of mass mortality events in marine ecosystems has increased,
and several populations of benthic organism have been affected, reducing their density and changing
their size and age structure. Few details are known about the dynamics of these populations over
long time intervals. In late summer of both 1999 and 2003 two drastic mass mortality events, co-
occurring with anomalous temperature increases, affected the northwestern Mediterranean rocky
coastal communities. Due to these events the Paramuricea clavata population living at the western
edge of La Spezia Gulf (Italy) was stricken, and 78% of the colonies died. This population was
monitored from 1998 (pre-mortality) until 2013. This paper deals with the photographic sampling
of permanent plots carried out in 2013. The findings were compared with those from the previous
sampling series. This long-term, non-destructive sampling highlights the demographic trajectory
of the octocoral population there after two anomalous mortality events, indicating that some new
drop-point between local extinction and complete recovery may be have been reached. Long-term
monitoring (including pre-mortality data) could allow evaluating the effects of global climate change
on the conservation of impacted populations.

Keywords: long-term mortality series; population dynamics; mass mortality; octocorals; habitat
forming species; extinction; survival; equilibrium points

1. Introduction

Over the last few years, the frequency of mass mortalities in marine ecosystems linked
to Global Climate Change (GCC) has increased greatly, and several authors have described
the dramatic effects of such anomalous events on benthic communities and populations [1–4]
among others. However, few research studies address the delayed effects on, and the
long-term growth trends of the affected populations, whose complex dynamics cannot be
adequately expressed through the narrow terms of “survival” or “extinction”.

In marine ecosystems, temperature is one of the main factors controlling species distri-
bution, and unusual deviations from typical seasonal patterns may represent the greater
impacts of global change on such systems [5]. The effects of abnormal warming of the water
column are clearly and easily observable not only at shallow depths as environmental
degradation and the direct responses of the organisms (e.g., lower population growth rates),
but also in the deep sea, where modifications of the water’s physicochemical characteristics
are impacting biodiversity [6].

Habitat-forming species such as sea grasses, kelps, corals, and oysters are among
the main organisms profoundly influenced by thermal stressors [7], although neither all
species nor all communities are equally affected or respond in the same way. For example,
among tropical hexacorals, differential susceptibility and resistance to bleaching and mass
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mortalities have been observed due to species peculiarity, the environmental variability
between reefs, and even genetic differences between colonies of the same species on the
same reef [8–10].

In recent decades, several worldwide populations of octocorals have been affected
by stressors linked to GCC, making it essential that a demographic study of these popula-
tions is carried out in order to formulate reliable survivorship predictions [11–19]. It has
been observed that the frequency of negative events may be a main factor determining
the survival of such populations [17]. Even if they do endure, these populations could
dramatically change their demographic structure and, depending upon their peculiar
life-history traits, respond to anomalous mortality events in unexpected ways [13,20–23].
Octocorals are among the most common suspension feeders dwelling within the so-called
animal marine forest sensu Rossi [24], where they often act as habitat engineers. Thus, the
dynamics of their populations may have profound effects on the whole species assemblage.
In the Mediterranean Sea, some populations of the temperate red gorgonian Paramuricea
clavata (Risso 1826) have been affected by mass mortality events following unusual thermal
stress [20,25–27] among others. Widely distributed along boulders and cliffs between 12
and 120 m depth in highly hydrodynamic areas [28,29], P. clavata is one of the main com-
ponents of the coralligenous species assemblages [30] and determines the composition of
the entire epibenthic community [31]. P. clavata is a large sea fan gorgonian (up to 1 m tall)
that can form dense patches (up to 59 colonies per m2, [32]) and is characterized by high
reproductive output and long life cycle [21]. This species has recently been classified as a
“bioindicator” [33] and “vulnerable” by the IUCN (International Union for Conservation of
Nature). A recent genetic study has highlighted the strategic role of the P. clavata popula-
tions in the eastern Ligurian Sea (northwestern Mediterranean, Italy) for the persistence of
the species at a regional level [34].

At summer’s end of both 1999 and 2003, the benthic suspension feeders living along
the coastal shores of the Ligurian Sea were affected by two mass mortality events co-
occurring with exceptional warming of the water column [35,36]. Exposure to abnor-
mal temperature increases was likely the cause of an ensuing outbreak of opportunistic
pathogens such as bacteria, protozoans, and fungi on the P. clavata colonies, leading to their
total or partial death [35,37]. The local population of this gorgonian living at the western
edge of the Spezia Gulf (Figure 1) was stricken, and 78% of the colonies died or were heavily
damaged [32]. This population was monitored from 1998 (pre-mortality) to 2010 [13,21].
In the years following the catastrophic events both adult and recruit density fell drastically,
and the population size/age structure was altered due to the mortality disproportionally
affecting the larger colonies, thereby shifting it towards the smaller ones [32]. Since 2007,
a significant increase in adult and recruit density has occurred [13,20].

This paper analyzes the population size/age structure, the adult and annual recruit
densities, and the percentage cover of P. clavata and the main organisms living in the area
in 2013. The results have been compared with the previous findings to identify long-term
variations affecting both the P. clavata population and the whole community after the
catastrophic mortality events.
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Figure 1. Sampling area, Tinetto islet: stars represent the sampling sites (Eastern Liguria Sea, NW
Mediterranean, Italy).

2. Materials and Methods

2.1. Study Area and Sampling Design

The study area is located at Tinetto Islet (Figure 1), part of a small archipelago of
the Ligurian Sea at the western edge of the La Spezia Gulf (NW Mediterranean, Italy),
an area included in the World Heritage list and under the protection of the United Nations
Educational, Scientific and Cultural Organization (UNESCO). Oriented from northwest to
southeast, the Gulf is about 5 km wide and 10 km long, and its circulation is affected by
several factors: the Ligurian current, seasonal weather changes, and the strength of the so-
called ‘Sirocco’ warm southerly wind. The area is characterized by high turbidity due to the
Magra river plume influencing the water and its hydrodynamics, especially during rainy
seasons [21,38]. The northwest and western sides of Tinetto Islet are composed of vertical
calcareous walls while the southern and the eastern sides are characterized by medium
slopes. A more detailed description of the area has been previously published [13,21].

The population of Paramuricea clavata living on a sub-vertical rocky cliff between
17 and 25 m depth was monitored between 1998 (pre-mortality) and 2010 by identification
and measurement during SCUBA diving [13,21]. This paper deals with the results of the
photographic sampling carried out via a housed X 100 G10 Canon (Canon Inc., Tokyo,
Japan) digital camera at a 1:1 magnification on the same population in July 2013.

In 2013, 24 of the permanent polyvinyl chloride (PVC) quadrates (1 × 1 m, thus
1 square meter each) previously fixed at 2 sites a few hundred meters from one another
were sampled for analysis. Twelve were on the northwestern side (Tinetto Island) of
Tinetto Islet (44◦01′26′’ N, 09◦51′03′’ E), and 12 at the Tinetto Shoal, on the southern side
of the islet (44◦01′23′’ N, 09◦51′05′’ E; unfortunately, one of the quadrates fixed at this site
was lost). At each site, the squares were randomly arranged at a few meters’ distance.
Of the 23 quadrates sampled for this study, 12 corresponded to the same ones used for
the previous monitoring study. Four photos of a 0.25 m2 area in each one-square meter
quadrate were taken vertically to the cliff. Overall, 92 photos of 23 quadrates in the whole
area have been analyzed for the present study.

The main taxa of the sessile organisms in each photo-sample (Figure 2) were identified,
and their percent cover was measured by the graphic program Image J. The “TSH” substrate
(including algal turf, sensu Connell et al. [39], sediment, and small hydrozoans) was
considered as “free surface”, putatively suitable for the settlement of P. clavata, as recruits
and young colonies of this gorgonian have been frequently found emerging from this
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substrate [20]. The remaining substrate, hereafter named “occupied substrate” was covered
by sessile macro-benthos.

 

Figure 2. P. clavata: (a) a large/old adult and (b) a small/young colony.

2.2. Size Structure and Density of the P. clavata Population

The number of colonies of P. clavata in each plot (n = 23) was counted, and the densities
(col m−2) of adults and annual recruits recorded. Colony size (in width) was measured by
a ruler reported on one side of each square in a top view image. Considering an average
annual growth rate of 3 cm y−1 in width, all colonies were divided into annual age classes
according to their size (i.e., size/age classes [12,40]), and all those <4.5 cm were assigned to
the 0–1 age class (recruits) according to Cupido et al. [21]. The colonies assigned to classes
2 to 4 were defined as small/young adults, while colonies belonging to classes >5 were
considered large/old adults (Figure 2).

Since time series data and the size/age structure of the population between 1998 and
2010 were available [20,21,32], a comparison was made with the data collected in 2013.

2.3. Data Analysis

Data normality and homogeneity have been tested using the Shapiro–Wilk test [41]
and the Levene test [42], respectively. Non-normal data have been transformed into Log(x)
and Log(x + 1), and the remaining non-normally distributed data have been analyzed by
non-parametric tests.

The density variability in adult colonies and recruits over the years 1998 to 2013
has been analyzed via the non-parametric Friedman test [43]. Moreover, the population
size/age structures over this period have been compared by multidimensional scaling
(MDS): in the resulting configuration of points (n = 9, years of sampling), the closeness of
one year’s sample data to another’s provides a measure of similarity. The MDS analysis
has been performed using the free software Past4.03 and the Euclidean index of similarity
has been used.

Differences in percent cover of TSH and occupied substrate between the two sites
(n = 12 at Tinetto Island and n = 11 in Tinetto Shoal) sampled in 2013 have been tested via
the t-test [44]. Percent cover and density differences in adult P. clavata colonies between sites
have also been analyzed via the t-test, while those of the recruits with the Mann–Whitney
test.
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The relations between adult and recruit densities and between these data and free
substrate have been tested by R2 best fit coefficient, linear Pearson’s coefficient and the
t-test. The relations between recruit densities in the same quadrate on 2 subsequent years
have been explored on the scatter plot: the density of one year was plotted against that of
the following year in the same fixed plot (2007 vs. 2008 and 2009 vs. 2010), finally a linear
trend has been calculated.

3. Results

3.1. Population Density and Size/Age Structure over the 1998–2013 Period

In 2013, the overall density of P. clavata adult colonies reached about half the ‘pris-
tine’ 1998 values (Figure 3a), while the overall recruit density was 4.5 times higher than
that in 1998 (Figure 3b). For both adults and recruits, 2004 was a crucial year in which
the population was reduced by 78%, while 2007 was the turning point after which they
underwent a rapid increase, remaining stable thereafter (Figure 3a,b), as no differences in
adult colony and recruit density have been found over the period 2007–2013 (Friedman
tests, adult χ2 = 0.98, p > 0.05 and recruit χ2 = 5.98, p > 0.05).

 
(a) 

 
(b) 

Figure 3. (a) Adult colony density and (b) recruit density during the observational period.
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The size/age structures of the P. clavata population in 1998 (before the anomalous
mortality events) and the following years 2004–2013 are reported in Figure 4a–i. The
maximum size found (53.5 cm) corresponded to a maximum life span of about 18 years.
The population was thus divided into 18 size/age classes based on the average annual
colony growth rate [12,20].

Figure 4. (a–i) Population size/age structure during the observational period.

The pre-mortality 1998 population (Figure 4a) exhibited a non-monotonic structure,
skewed toward larger/older colonies (reaching class 17), in which classes 5–8 were dominant
and recruitment (the first class) was low. In the following years (2004–2006; Figure 4b–d),
recruitment, together with all classes, fell, and larger/older colonies nearly disappeared, being
heavily impacted by the 1999 and 2003 mortality events. In 2007, and up to 2013 (Figure 4e–i),
the population size/age structure changed again, following a monotonic, regularly decreasing
pattern with dominant recruitment indicating, according to Caswell [45], a population in
steady state. In 2013, the number of larger/older classes increased, and classes 17–18 were
again represented (Figure 4i).

These findings are consistent with the results of the MDS analysis (Figure 5), which
separated the 1998 pristine structure from the others and grouped together all the years
between 2007 and 2013, which exhibited a similar demographic structure, characterized by
dominant recruitment and a regularly decreasing abundance of larger/older classes. The
population structure in 2004 (immediately after the second mortality event) is not grouped
with the other years, but is instead set apart from them. The 2005–2006 cluster likely
represents an intermediate point between the pristine structure and the partial recovery
occurring in the following years.
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Figure 5. Multidimensional scaling (MDS) of population size/age structure in different years. The
closeness of one sample to another (belonging to a different year) is a measure of similarity. The
elliptical area represents 95% confidence. The 1998 pristine structure is set apart from the others, while
all the years between 2007 and 2013 are grouped together. The 2005–2006 cluster likely represents an
intermediate point between the pristine structure and the subsequent partial recovery.

3.2. Percentage Cover of Benthic Organisms and Density of Paramuricea Clavata

In 2013, the majority of the substrate (65%) was covered by TSH and the remaining
34% by sessile macro-benthonic organism (occupied substrate). It was impossible to read
the remaining 1% of the photo-sample (undetermined area, Table 1). P. clavata (50%)
and Porifera (27.7%) were the dominant organisms. Hexacorallia (mainly Parazoanthus
axinellae and Leptosamnia pruvoti), Phaeophyceae, Rodophyceae, Ascidiacea, Bryozoa, and
Polychaeta covered the remaining surface of the occupied cliff (22.3%).

Table 1. Percent cover (%) of the whole Tinetto Islet area and two sites (Tinetto Island and Tinetto Shoal) in 2013 and
1998 [46]. The TSH substrate is composed by algal turf, sediment, and small hydrozoans; occupied substrate includes sessile
macro-benthonic organisms listed below. * = p < 0.05 level. TSH, occupied substrate, density of P. clavata adults and recruits
(col m−2) in the whole Tinetto Islet area in 2013 are compared with those measured in 1998 [46].

2013 1998

Tinetto Islet Area Tinetto Island Tinetto Shoal Tinetto Islet Area

n = 23 n = 12 n = 11 n = 24

% Cover
x ± ES

TSH 65.1 ± 1.4 65 ± 2.3 65.3 ± 1.7 39 ± 1
Undetermined area 1.3 ± 1.4 1.5 ± 0.2 1 ± 0.2 0
Occupied substrate 33.6 ± 1.5 33.5 ± 2.5 33.7 ± 1.8 61 ± 1

Porifera 9.3 ± 0.7 10.9 ± 0.6 * 7.6 ± 1.2 * -

Hexacorallia 4 ± 0.4 5.8 ± 1 * 2 ± 0.2 * -

Algae 2 ± 0.04 1.1 ± 0.1 * 2.9 ± 0.6 * -

Ascidiacea, Bryozoa,
and Polychetae 0.29 ± 0.06 0.4 ± 0.1 * 0.2 ± 0.03 * -

Paramuricea clavata 16.8 ± 1.7 14.0 ± 2.3 * 19.9 ± 2.4 * 52.0 ± 1
Colony density

(col m−2)
x ± ES

Recruits 3.75 ± 1.74 1.33 ± 0.48 * 6.18 ± 2.14 * 0.83 ± 0.27

Adults 17.10 ± 3.01 12.07 ± 1.81* 21.30 ± 4.17* 35.67 ± 3.20
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A comparison with the data collected in the same area in 1998 on a similar number
of samples highlighted some major changes occurring within the community over the
pre-mortality/post mortality transition, showing about a twofold increase in TSH and
halving of the cover of benthic organisms (Table 1). The P. clavata % cover was reduced
threefold, and the adult density decreased twofold, while during the same time interval
recruitment increased by four and a half times.

In 2013, no significant difference in TSH % cover or the % of the occupied substrate
by sessile organisms between the two sample sites was found (t = −0.095, p > 0.05 and
t = −0.07, p > 0.05), while the % cover of Porifera was significantly higher at Tinetto Island
than at Tinetto Shoal (t = 2.56, p < 0.05, Table 1).

Overall 355 colonies were counted in 23 m2 of the study area (130 at Tinetto Island
and 225 at Tinetto Shoal), reaching an average density of about 15 colonies per m2. Recruits
settled only on some of the plots (61.8%): overall, 64 recruits were found on 14 plots
(6/12 plots at Tinetto Island and 8/11 plots at Tinetto Shoal), with an average density of
3.75 recruits per m2. A significantly higher recruit density was found at Tinetto Shoal
(6.18 ± 2.14 col m−2) vs. at Tinetto Island (1.33 ± 0.48 col m−2; Mann–Whitney w = −2.06,
p < 0.05, Table 1). Moreover, adult colony cover and density were also significantly higher
in this latter area (14.0 ± 2.3 vs. 19.9 ± 2.4% cover: t = −1.80, p < 0.05; 12.07 ± 1.81 col m−2

vs. 21.30 ± 4.17 col m−2: t = −2.08, p < 0.05).
No correlation emerged between larger/older colony and recruit densities (n = 23,

r = 0.35, p > 0.05, Figure 6a), but a significant positive linear correlation was found between
the density of recruits and that of smaller/younger colonies (n = 23, r = 0.78, p < 0.01,
Figure 6b). Some linear trend was also found in the recruitment density measured in the
same plot in two consecutive years (n = 24, Figure 6c). Both the last findings suggest that
samples showing high recruitment in one year show similar values in the following years,
as well.

No correlation was found between colony density and Porifera % cover (r = −0.34,
p > 0.05) or between recruit density and TSH % cover measured in the same plots (r = 0.038,
p > 0.05). These results suggest that neither the density of adult colonies nor the kind
of substrate (at the gross-grain level examined) likely have any linear effect on P. clavata
recruitment.
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(a) 

 
(b) 

 
(c) 

Figure 6. Trends of recruit and colony density: (a) density of recruits vs. that of larger/older colonies;
no linear trend was found; (b) density of recruits vs. that of small/young colonies; a linear trend
emerged; (c) recruit density measured in the same photo sample in two successive years (2007 vs.
2008 and 2009 vs. 2010) and the linear trend.
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4. Discussion

Our understanding of the long-lasting effects of GCC on long-lived populations of
marine benthic communities is quite limited. Generally, simulations try to fill this gap by
devising possible scenarios of affected population trends [40,47] among others. An analysis
of a dataset from 1998 to 2013 allowed us to follow the main trends of the community under
study and the locally dominant gorgonian population before and after two dramatic mass
mortality events occurring throughout the northwest Mediterranean during late summer
in both 1999 and 2003.

The area where the temperate gorgonian Paramuricea clavata population examined
here dwells is characterized by a sciaphilic epibenthic community settled on a vertical cliff.
The entire area is affected by high sedimentation rates due to the outflow of the Magra
river [38]. The high concentration of seston typical of this area is likely a factor favoring
passive suspension feeders [32]. Cnidarians, and the gorgonian P. clavata in particular, are
the dominant group, while the algal cover is poor, limited by the high turbidity of the area.

The P. clavata population of Tinetto Islet has been divided into 18 annual age/size
classes, according to the mean annual colony growth rate [20]. The distribution of size
classes observed in 1998 in the crowded, pre-mortality population with abundant larger
(older) colonies could be driven, by the effect of the increasing density of larger/older
colonies on recruitment rate, progressively affecting the population over some years, lead-
ing to a structure characterized by a low abundance of recruits and smaller/younger classes.
After the 1999 and 2003 mortalities, only a few of the largest sized gorgonians survived, and
the structure of the population drastically shifted towards the smaller/younger classes. In
2007, colony density significantly increased and remained stable subsequently. As mortality
disproportionally affected the larger/older colonies and fecundity is strictly correlated
with colony size [21], a drastic reduction in the larger classes could have decreased the
population’s reproductive output. However, the abundant egg and planulae production of
this species could have attenuated the effects of the loss of larger colonies on population
resilience [21].

Ten years after the last P. clavata anomalous mortality event (2003) a twofold increase
was found in the substrate covered by TSH, indicating that a clear-cut change in the whole
community occurred. Concerning the P. clavata population, both % cover and density of
adult colonies were also reduced, albeit to different degrees, as they were respectively
one third and half those recorded in 1998. Recruitment, on the other hand, was four
and a half times higher than in the pre-mortality population. The difference between
the reduction in adult colony cover and the density found could be due to the different
size/age structure of the post-mortality population, in which the number of larger/older
colonies fell disproportionally [20], thereby affecting colony cover more than density.

Several papers have reported that algal turf coverage and high sedimentation rates
negatively affect recruitment and reproduction in benthic communities [48,49] among
others. For example, in the gorgonian Eunicella singularis, algal turf seems to negatively
affect the process of settlement by decreasing the larva’s access to suitable substrate [50].
Contrary to this general finding, P. clavata recruitment density increased since 2007, despite
a significant rise in TSH % cover between 1998 and 2004 [45], and remained substantially
unchanged in the following years. However, the lack of any correlation between the TSH
and P. clavata recruitment or adult colony density likely indicates the absence of any linear
effect of TSH cover on the gorgonian population examined. This finding seems to be
confirmed by the similarity in TSH % cover between the two sites sampled which, however,
differ in P. clavata adult and recruit densities. As no correlation between these parameters
and TSH cover was observed, other factors likely caused the difference found between the
sites. According to Padròn et al. [34], who examined the genetic structure and connectivity
of P. clavata populations across our sampling area and six other sites in the eastern Ligurian
Sea, the locally dominant currents may have fostered a higher larval input in our more
external site (Tinetto Shoal), thereby partly driving the dynamics of this population. Indeed,
the input of larvae released in other areas may play an important role in the recovery of

24



Oceans 2021, 2

benthic sessile populations affected by anomalous mortality events. In P. clavata the larval
stage can span between 6 and 26 days under experimental conditions [45,51], and planulae
are able to travel distances of up to tens of kilometers. Recent genetic analyses in the
Ligurian Sea suggest that tight connectivity among P. clavata populations affected by
anomalous mortality can avoid their collapse [34], while highly frequent mortality events
may lead isolated octocoral populations even to extinction [12]. Thus, the strategic position
of the population under study and the connectivity with the other neighboring populations
could be a key factor in fast recovery after disturbing events [51].

There is some hint towards a small-scale spatial constancy of recruitment over time;
this is based on two findings: (1) a significant positive linear correlation between the density
of recruits and that of the cohort of small/young adult colonies measured in the same plot;
(2) some linear trend of recruit density recorded in the same plot in two consecutive years.
Both these findings suggest that the plots more intensively recruiting in one year will also
recruit more in following years. Thus, some plots should likely, present particular features
that make them more suitable for P. clavata settlement over time. It can be speculated that
micro-scale hydrodynamics, local substrate texture, and/or chemical attractors produced
by the local species associations could foster more abundant recruitment in some plots.

The lack of any relation between the density of recruits and that of larger/older
colonies suggests some independence of recruitment from the density of these colonies, as
well as the lack of any effect of their high fecundity on local recruitment [21]. Although
these findings may appear to be in contrast with the initial relation between recruits and
small/young adults, the selectively higher mortality affecting the larger/older classes may,
over time, lead to an alteration of such relation.

The highly dense canopy made mainly by older colonies in the pre-mortality, over-
crowded population may have had some “shadow effect” to avoid larval settlement in
their surroundings by limiting the substrate suitable for recruits. After the 1999 and 2003
mortalities, reduction of the canopy by about 2/3 could have driven a clear-cut increase in
recruitment. As the increase in recruitment was delayed by four years since the mortality
events and co-occurred with the detachment of dead colonies from the cliff in 2007 [20], the
shadow effect caused by the dead ‘scaffold’ of larger colonies could have been maintained
until they detached. Only after the dead colonies fell off the cliff and their shadow effect
disappeared did recruitment start to rise, remaining at similar values in the following years,
as well.

Paramuricea clavata has been considered a species with low population turnover and
recovery rates [52,53]. Moreover, according to a demographic model aimed at projecting
the trends of this population over time by means of simulations based on an ad hoc Leslie-
Lewis transition matrix [46], wide fluctuations in density that stabilize only after several
decades have been described [13]. However, in the present study, we observed, in the real
population, faster density stabilization than predicted by said model.

After 14 and 10 years since the two mortality events, the population of P. clavata is
still alive and has partially recovered, although with severely reduced density and canopy.
Moreover, the population structure, dominated in recent years by recruits, is quite different
from the pre-mortality one, dominated by larger/older colonies. As these features have
been maintained for 7 years, the population seems to have reached a new equilibrium
point.

All the findings presented herein indicate that the effects of drastic mortality events
on a long-lived gorgonian population cannot be limited to the narrow definitions of
“extinction or recovery”, but that a stricken population may reach a new equilibrium. The
main concern regards the stability of such a new equilibrium reached at remarkably lower
densities: repeated mortality events and undamped oscillations may even devolve the
local population to extinction.
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5. Conclusions

A decade after two mass mortality events in 1999 and 2003, the circalittoral community
thriving on a vertical cliff has undergone some profound changes. In subsequent years,
the TSH (algal turf, sediment and small hydrozoans) percentage cover increased twofold,
and the cover and density of the dominant gorgonian population P. clavata was reduced by
2/3 and 1/2, respectively, while recruitment increased two and a half times. A tendency of
some quadrates to recruit more intensely over time was found. No direct effect of TSH and
P. clavata percentage cover on recruit and adult colony density resulted.

In 2013 the still surviving population had not recovered its pristine structure, and had
only partially restored its canopy. In addition, although it had recovered, the population
seemed to have reached a new equilibrium point, whose stability is as yet disturbingly
unknown.
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Abstract: Zoantharians are colonial cnidarians commonly found in shallow tropical Caribbean coral
reefs, and are known to be globally distributed. Common species in genera Zoanthus and Palythoa
occur at Toco, Trinidad, where they are more abundant than their Scleractinia counterparts relative
to benthic coverage. In this study, distribution, morphological and molecular data were collected
to determine species and symbiont identification to provide more insight on zoantharians. The
Line Intercept Point (LIT) transect method recorded coverage at three sites: Salybia (SB), Pequelle
(PB), and Grande L’Anse (GA) Bays along the northeastern coast. Variations in morphology, such
as tentacle count, oral disk color and diameter were collected from colonies in situ. All specimens
were zooxanthellate, and molecular and phylogenetic analyses were done by sequencing the cy-
tochrome oxidase subunit I (COI) gene, and the internal transcribed spacer (ITS) region for species
and symbiont identification, respectively. Results showed mean Zoantharia percentage cover was
32.4% ± 5.1 (X ± SE) at SB, 51.3% ± 6.5 (PB), and 72.2% ± 6.1 at GA. Zooxanthellate zoanthari-
ans were identified as Palythoa caribaeorum, Palythoa grandiflora, Zoanthus pulchellus, and Zoanthus
sociatus. Symbiodiniaceae genera were identified as Cladocopium and Symbiodinium in Palythoa and
Zoanthus spp., respectively. Although this is the first molecular examination of zoantharians, and
their symbionts in Trinidad, more research is needed to identify and document species distribution
and symbiont biodiversity to understand their ecology in these dynamic ecosystems.

Keywords: symbiodiniaceae; zoantharians; Trinidad coral reefs; zooxanthellate; biogeography

1. Introduction

Zoantharians (Anthozoa: Hexacorallia: Zoantharia) make up a considerable benthic
component of tropical and sub-tropical shallow-water reefs, similar to Scleractinia (hard
corals) and Actiniaria (sea anemones) [1–4]. Zoantharians are sessile colonial anemone-like
organisms with two rings of tentacles surrounding circular to polygonal disks, and forming
colonies of polyps [5]. They grow in dense mats or small patches throughout the shallow
intertidal rocky zones, or coral reef ecosystems, and play an important ecological role in
their tropical and sub-tropical habitats [6–12].

Zoantharian coverage on coral reef ecosystems can be extensive [9,10]. For instance,
Karlson (1981) noted that two species, Zoanthus sociatus (Ellis, 1768) and Zoanthus solanderi
(LeSueur, 1818) had extensive coverage at a northern intertidal area in Jamaica, which
he subsequently named the ‘Zoanthus zone’, as originally named by Tom Goreau in the
1950s [13]. Additionally, Lopez et al. (2018) reported a zoantharian zone located at Cabo
Verde Islands, where molecular methods and morphological analysis confirmed the pres-
ence of two zoantharian species. Zoantharians, such as Palythoa caribaeorum (Duchas-
saing and Michelotti, 1860) and Z. sociatus cover large areas in subtidal and intertidal
zones [7,9,10,12]. Additionally, many, but not all zoantharian species maintain symbiotic re-
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lationships with Symbiodiniaceae (zooxanthellae), hence determining the identity of these
holobionts adds more understanding of their ecology and physiological characteristics.

Molecular analyses of zoantharians assist in species identification, where morpho-
logical identification is difficult, or impossible. For example, phenotypic plasticity in
zoantharians, specifically large variation in morphological characteristics, such as polyp
shape, colony shape, size and oral disk color, may cause them to be overlooked in ecological
surveys, even though their numbers may be abundant [5,8,14,15]. Given the difficulties
in morphological and molecular examination of zoantharians, more priority should be
given to determining their distribution and diversity in the Caribbean, especially since
zooxanthellate zoantharians play key ecological roles in marine ecosystems [10]. Although
success in identifying potential unidentified zoantharian species through morphological
characteristics has been proven to be successful [16], the addition of molecular analyses
has alleviated issues with morphological ambiguities [16,17]. Additionally, zoantharian
species diversity including molecular analyses of zooxanthellate symbionts of family Sym-
biodiniaceae will continue to add more information about symbiont ecology in light of
global climate change [11,18,19].

Although distributed world-wide in tropical and subtropical waters in the Atlantic
and Indo-Pacific regions [8,20], zoantharians and Symbiodiniaceae genera identity at the
southern-most part of the Caribbean, specifically Trinidad and Tobago, are limited. Two
zoantharian genera, Zoanthus and Palythoa spp., are commonly observed occupying shallow
waters, and in different intertidal zones along the northeastern coast of Trinidad [9,10,12,14],
but relatively few studies have highlighted morphological and molecular details of these
species in this part of the southern Caribbean region.

The purpose of this study is to quantitatively assess zoantharian benthic coverage, and
use morphological and genetic analyses to identify zoantharians, and confirm Symbiodini-
aceae genera identities. Molecular knowledge of these benthic organisms will be recorded
here for the first time at this southernmost part of the Caribbean Sea. Consequently, all
ecological aspects of identifying the extent of zoantharian benthic coverage provides more
understanding of the dynamic coral reef ecosystem. In general, zoantharian distribution
in the Caribbean needs to be continually monitored, and species identification confirmed,
especially in the face of increased climate change and anthropogenic activities [9].

2. Materials and Methods

2.1. Study Site and Sampling

The northeastern coast of Trinidad has undefined patch reefs, and a fringing reef
(see [12]). Beaches within close vicinity of these reefs are largely defined as sandy, stony,
or rocky. The tropical climate has two distinct seasons, with a dry period from January
to mid-June and a rainy period that extends the remainder of the year (June–December).
Tides are semidiurnal with maximum high tides reaching 2 m (meters) in open water, and
extreme low tides can reach 0.2 m.

Study sites in accessible areas along the northeastern coast are located at Salybia Bay
(SB) (located between 10◦50.097′ N, 60◦55.208′ W and 10◦50.100′ N, 60◦55.157′ W), which
is part of the only fringing reef in Trinidad. This system has been an important site for
citizen/volunteer coral reef monitoring focused on cnidarian and invertebrate abundances
and distributions, because it is very shallow during spring low tides (~0.2 m) and the
intertidal zone extends some 200 m parallel to the shoreline. This fringing reef is affected
by sediment discharge from local rivers throughout the year, specifically during the rainy
period from June to December.

Pequelle Bay (PB), located to the east of SB (between 10◦50.111′ N, 60◦55.129′ W and
10◦50.181′ N, 60◦54.954′ W), has a mixture of rocks and tide pools along the intertidal zone.
During spring low tides, this part of the reef becomes fully exposed for a 3-h period until
tides return. Patchy undeveloped reefs are present at Grande L′Anse (GA), also known
as Toco Bay (between 10◦50.107′ N, 60◦56.772′ W and 10◦50.266′ N, 60◦56.674′ W), which
has a mixture of rocky outcrops. This study site has a mixture of sand, stony and rocky

30



Oceans 2021, 2

beaches with village homes within close vicinity. Spring low tides revealed a rocky patch
reef with scattered tide pools interspersed throughout the intertidal zone.

Volunteers marked the study area with GPS points, and quantified an area of 500 m2

using a 50-m open reel fiberglass measuring tape during extreme low tides (<0.3 m). Each
transect was placed within a 500 m2 study area, and a total area of 1500 m2 was examined at
each site. The Line Intercept Transect (LIT) method [9] was used to examine only the lower
intertidal areas at SB, PB, and GA. Transect positions within each 500 m2 area were marked
using a global positioning system (GPS). A 50 m open reel fiberglass measuring tape was
placed parallel to the shoreline in each area, and benthic components were recorded at
every 0.5 m interval on the measuring tape. Benthic components, such as reef-building
corals, zoantharians, macroalgae, coral rubble, and other invertebrates, such as sea urchins,
fireworms, and sea cucumbers were recorded if they touched the 0.5 m intervals along the
measuring tape. This was repeated three times within each 500 m2 study area, and for a
total of 3 study areas. Water temperature and salinity were measured using a YSI Pro 1030
probe at three random points along each 50 m LIT. Percentage cnidarian and benthic cover
was calculated for benthic communities.

2.2. Morphological Analyses and Specimen Collection

Morphological data for zoantharian colonies (n = 30) were recorded at three field sites,
SB, PB, and GA in June 2019 from the northeastern coast of Toco, Trinidad. A hand-held
caliper was used to measure oral disk diameter of 3 opened polyps per colony. Physical
characteristics of each polyp, such as tentacle count and color, oral disc color, and polyp
form (immersae, intermediate, liberae, see 4, 21 were recorded, together with in situ
photographs, which were used to assist in identification (see Table 1). Additional samples
were also collected at three other sites between December 2019–February 2020, and were
primarily collected for genetic analyses. Samples were collected in areas with high wave
action (open habitat exposed to waves), and low wave action (rocky habitat protected from
waves). A total of 13 specimens (3–5 polyps per specimen) were collected from SB, PB, and
GA. Additionally, specimens were collected at inaccessible areas along the northeastern
coast, such as Galera Point (GP) (n = 1 specimen) located just left of the Keshorn Walcott
Toco Lighthouse, which is 1 km east of PB, and has a mixture of rocks and tide pools
where zoantharians were observed to have extensive coverage. Additionally, samples were
collected from Straight Bay (StB) (n = 2 specimens), 1 km west of SB, and from western SB
(WSB) (n = 5 specimens), which is an accessible area, but less frequented by local visitors.

Table 1. Zoantharian specimens from the northeastern coast of Trinidad with collection information, morphological data,
GenBank accession numbers, and identification conclusions based on COI sequences.

Sample # Collection Site α Disk Color
Tentacle

Color
Tentacle Count

(3 Polyps Per Colony)
Disk Diameter

(mm)
COI I.D.

(GenBank Accession #)

P1-br-GA GA Brown Brown 26 11.0 P. caribaeorum
(MZ150796)

P2-br-GA GA Brown Brown 36 10.8 P. caribaeorum
(MZ150797)

P3-br-SB SB Brown Brown 37 10.5 P. caribaeorum
(MZ150798)

P4-gr-GA GA Green Brown 46 13.8 P. grandiflora
(MZ150799)

P5-gr-GA GA Green Brown 45 12.6 P. grandiflora
(MZ150800)

P6-br-GA GA Brown Brown 33 10.7 P. caribaeorum
(MZ150801)

P7-br-WSB WSB Brown Brown 26 11.0 P. caribaeorum
(MZ147090)

P8-br-WSB WSB Brown Brown 26 11.0 P. caribaeorum
(MZ147091)
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Table 1. Cont.

Sample # Collection Site α Disk Color
Tentacle

Color
Tentacle Count

(3 Polyps Per Colony)
Disk Diameter

(mm)
COI I.D.

(GenBank Accession #)

Z1-gr-StB StB Green/Blue Green 41 10.2 Z. sociatus (MZ147096)

Z2-gr-StB StB Green/Blue Green 42 10.3 Z. sociatus (MZ147097)

Z3-gr-WSB WSB Green/Blue Green 42 10.3 Z. sociatus (MZ150806)

Z4-gr-WSB WSB Green/Blue Green 42 10.3 Z. sociatus (MZ150802)

Z5-gr-SB SB Green Green 42 7.5 Z. pulchellus (MZ150803)

Z6-gr-SB SB Green Green 42 6.9 Z. pulchellus (MZ156026)

Z7-br-gr-SB SB Green/Blue Green 42 7.6 Z. sociatus (MZ150807)

Z8-org-SB SB Green Green 46 10.2 Z. pulchellus (MZ150805)

Z9-org-GA GA Orange Brown 46 10.3 Z. pulchellus (MZ150804)

Z10-gr-TLH TLH Green Green 42 10.3 Z. pulchellus (MZ147092)

Z13-grey-GA SB Grey Green 44 5.2 Z. pulchellus (MZ147093)

Z14-org-GA SB Orange Brown 45 10.2 Z. pulchellus (MZ147094)

Z15-blu-TLH TLH Green/Blue Green 42 10.3 Z. sociatus (MZ147095)

Abbreviations: PB = Pequelle Bay, SB = Salybia Bay, TLH = Toco Lighthouse, GA = Grande L’Anse, StB = Straight Bay, WSB = Western
Salybia Bay. All samples (# represents number) were collected during extreme low tide (~0.31 m depth).

Altogether specimens were collected at six sites by snorkeling along the northeast
coast of Toco, Trinidad between June 2019 to February 2020. A total of 3–5 closed individual
polyps were excised from colonies (specimen) using scalpel and tweezers, and placed
in 1.5 mL collection vials with 95% ethanol (Carolina Biological. Burlington, NC, USA),
then stored at −20 ◦C. Specimens are housed at the Andrews Science Building, University
of Tennessee-Southern (formerly Martin Methodist College), Pulaski, Tennessee, United
States. Specimen catalog nos. are TRIN-2019-001 and TRIN-2020-001.

2.3. DNA Extraction, PCR and ITS 2

A total of 21 zoantharian polyps were analyzed. Deoxyribonucleic acid (DNA) was
extracted from specimens (30–50 mg) of zoantharian tissue following the manufacturer’s
protocol of an E.Z.N.A. Tissue DNA Kit (Omega BIO-TEK. Model no. D3396-02 Norcross,
GA, USA). Mitochondrial cytochrome oxidase subunit 1 (COI) was amplified using the
following zoantharian-specific primers (LCOant 5′-TTTTCYACTAATCATAAAGATAT 3′,
COIantr 5′-GCCCACACAATAAAGCCCAATAYYCCAAT 3′) (see [21]). Polymerase chain
reaction (PCR) amplifications from template DNA were carried out in a BIORAD 96-well
thermocycler (Model No. MyCycler Thermal Cycler; Series No. 580BR 7657, Hercules, CA,
USA) performed under the following conditions: initial set up at 95 ◦C for 3 min, followed
by 40 cycles of denaturation at 94 ◦C for 30 s, annealing at 52 ◦C at 1 min, extension at 72 ◦C
at 2 min, and final extension at 72 ◦C for 5 min (see [22]). Aliquots from PCR amplification
were checked by 1.7% agarose gel electrophoresis. Each PCR product was enzymatically
purified with 1.8 μL Exonuclease I, and 3.6 μL Shrimp Alkaline Phosphatase (ExoSAP,
ThermoFisher Scientific, Santa Clara, CA, USA), and incubated in the PCR thermocycler at
37 ◦C for 30 min, followed by 95 ◦C for 5 min (see [20]).

The internal transcribed spacer (ITS) 2 region of Symbiodiniaceae samples were ampli-
fied using the following primers: ITSintfor2, 5′-GAATTGCAGAACTCCGTG-3′, ITS2 clamp,
5′-CGCCCGCCGCGCCCCGCGCCCGTCCCGCCGCCCCCGCCGGGATCCATATGCTTA
AGTTCAGCGGGT-3′, with a “Touchdown” protocol [22–25]. Products from the PCR were
electrophoresed overnight in gradient gels between 45–80% and stained with sybergreen.
PCR-denaturation gradient gel electrophoresis (DGGE) gels were photographed, and dis-
tinct gel bands were excised using a scapula, then transferred to 1.5 mL Eppendorf tubes.
Gel bands were excised to determine Symbiodiniaceae genera identities.
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2.4. Phylogenetic Analysis

PCR products for COI gene were sequenced in both directions at Eurofins Genomics
(Louisville, KY, USA). DNA sequences were initially inspected by eye and manually
edited using Molecular Evolutionary Genetics Analysis (MEGA X, version 7.0 see [26]).
Sequences were aligned using CLUSTAL W in MEGA X. Sequences were deposited in
GenBank (accession numbers MZ147090-097, MZ150796-807) and were used to align
with publicly accessible sequences for other zoantharians (GenBank accession JX119160,
JX119164, JX119165, JX119167, JX119157, JX119156, JX119154, JX119159, JX119168, KT454365,
AB214177, KF499705, KF499712). All alignments were inspected by eye using MEGA X and
errors in nucleotide sequences that were low quality were trimmed prior to phylogenetic
analysis. Analysis using maximum likelihood with bootstrap trees (1000 replicates) were
incorporated according to the MEGA X protocols.

3. Results

3.1. Zoantharian Distribution

The lower intertidal zone measured an area of 12 km2 at Salybia Bay (SB), which
extends to Pequelle Bay (PB), and 7 km2 at Grande L’Anse (GA/TB). SB showed ben-
thic hard coral (Scleractinia) cover at 47.3% ± 4.5 (Mean% ± SE) and zoantharian cover
at 32.4% ± 5.1 (Figure 1A), and specifically dominant concerning Porites porites (Pallas
1766) 47.2% ± 4.6, and zoantharians (Palythoa and Zoanthus spp. making up 31.4% ± 5.0
(Figure 1B). PB, which extends towards the eastern end of SB was dominated by zoan-
tharians (51.3% ± 6.5, Figure 1C), with Zoanthus sp. and Palythoa sp. benthic cover as
34.1% ± 4.44 and 17.3% ± 8.8, respectively (Figure 1D). TB had a high zoantharian cover of
72.2% ± 6.0 (Figure 1E), with Palythoa sp. representing most of the cover at 62.6% ± 9.2,
and Zoanthus sp. covering 8.4% ± 3.6 benthic cover (Figure 1F). Of the three sites in this
study, benthic coverages were dominated by Po. porites and Pa. caribaeorum. However,
there seemed to be mixed cover of Po. porites (24.0% ± 3.4), Zoanthus sp. (34.1% ± 4.1), and
Pa. caribaeorum (17.3% ± 8.8) at PB.

Other reef benthic components included coral rubble, sand, stone, rock, sea anemones,
sea urchins, fireworms, and gorgonians. Cnidaria diversity at each site also showed
the presence of Siderastrea radians (Pallas, 1766), various octocorals, Millipora alcicornis
Linnaeus, 1758, Stichodactyla helianthus (Ellis, 1768) and Epicystis crucifer (Le Sueur, 1817),
Porites astreoides Lamarck, 1816, and Diploria clivosa (Ellis and Solander, 1786). Simpson’s
Index of Diversity (1–D) was 0.57 (SB), 0.65 (PB), and 0.50 (TB) showing PB with the
most cnidaria diversity. All three sites showed mean zoantharian cover between 37–72%,
which highlighted a zone that was extensively covered by brown mats (P. caribaeorum),
interspersed with green covered rocks (Zoanthus spp.) making this feature a common
characteristic at all sites. In this zone, space for algae growth is almost negligible as seen by
the low cover, <10% at all sites.
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Figure 1. Mean benthic coverage (Mean% ± SD) at three sites in the lower intertidal zones illustrating reef-building “corals”,
zoantharians, algae represent green algae, and “Other” includes all other invertebrates, such as sea urchins, sea cucumbers
(A,C,E), and mean benthic cover (Mean% ± SD) of Porites, Palythoa, and Zoanthus spp. (B,D,E); (A,B) Salybia Bay (C,D)
Pequelle Bay (E,F) Grande L’Anse Bay.
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3.2. Specimen Morphological and Molecular Analyses

Morphological analyses and comparisons (see Table 1) showed specimens of Palythoa
caribaeorum colonies (Figure 1A) with various levels of coenenchyme thickness (see de-
scription in [4,21]). P. caribaeorum oral disks and tentacle colors varied between brown and
green, in comparison to that observed for Zoanthus spp. at all sites, where colors ranged
from bright green, orange, grey, blue, and dark green. Maximum mean oral disk diameter
for P. caribaeorum was 12.8 mm ± 0.96 (Mean ± SD, n = 15 polyps; 3 polyps per colony),
which was larger than for Zoanthus spp. 10.2 mm ± 0.10, n = 15 polyps (Table 1). Although
P. caribaeorum and P. grandiflora (Figure 2B) could easily be identified through morphological
analyses using maximum oral disk size, tentacle color, and tentacle numbers, analyses
of Zoanthus spp. (Figure 2C–F) were challenging with the aforementioned characteristics.
Zoanthus spp. colonies showed variation in coenenchyma thickness.

DNA was successfully amplified for 21 COI amplicons, which were approximately
780 bp in length. Phylogenetic analysis of the mitochondrial cytochrome oxidase subunit
I (COI) gene identified zoantharians as Zoanthus pulchellus, and Zoanthus sociatus (see
Figure 3) and harboring Symbiodinium sp. (formerly Symbiodinium clade A), whereas
Palythoa caribaeorum and Palythoa grandiflora (Verrill, 1900) (see Figure 3) harbored Clado-
copium sp. (formerly Symbiodinium clade C) in the symbiont family Symbiodiniaceae. The
COI tree (Figure 3) distinguished Palythoa and Zoanthus spp., which belong to families
Sphenopidae and Zoanthidae, respectively. Blasted specimens aligned with sequences
from Florida (GenBank accession numbers JX119156, JX119154, JX119165) and Brazil (Gen-
Bank accession number KT454365). Other Atlantic Ocean sequences (GenBank accession
numbers JX119160, JX119164, JX119167, JX119157, JX119159, JX119168 AB214177 KF499705,
KF499712) aligned with closely related zoantharian species, such as P. caribaeorum and
P. grandiflora; Z. pulchellus and Z. vietnamensis (Pax and Müller, 1957); Z. sociatus and Z. san-
sibaricus (Carlgren, 1900). For instance, Palythoa sp. (MZ150797-801, MZ147090-91) aligned
with Palythoa caribaeorum (KT454365) and Palythoa grandiflora (JX119165). Additionally,
Zoanthus pulchellus (JX119156) aligned with MZ150802-805, MZ147092-094, MZ156026,
and was distinguished from Zoanthus sociatus (JX119154) aligned with MZ147095-097 and
MZ150806-807, and were well supported by phylogenetic analyses (ML bootstrap% > 60%)
(Figure 3).

Results for specimens in family Sphenopidae revealed moderate support for subclade
P. caribaeorum (KT454365) and P. grandiflora (JX119165) (63%). Results for specimens in
family Zoanthidae revealed moderate support for Z. pulchellus (JX119156) (69%), and
high support for Z. sociatus (JX119154) (94%) (Figure 3). Zoanthus pulchellus specimens
(MZ147092-094, MZ150802-805, MZ156026) also matched sequences from Z. vietnamensis,
which is widely distributed across Indo-Pacific coral reefs, and Zoanthus sociatus specimens
(MZ147095-097, MZ150806-807) sequences matched Z. sansibaricus, which is also widely
distributed across Indo-Pacific coral reefs.
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(C) (D) 

 
(E) (F) 

Figure 2. Zoantharian colonies along the northeastern coast of Toco, Trinidad (A) brown color morphotype of Palythoa carib-
aeorum specimen P3-br-SB, (B) green color morphotype of Palythoa grandiflora specimen P4-gr-GA, (C–E) color morphotype
variation in Zoanthus pulchellus specimen Z9-org-GA, Z5-gr-SB, Z6-gr-SB, respectively (F) color morphotype in Zoanthus
sociatus specimen Z15-blu-GA.

36



Oceans 2021, 2

Figure 3. Phylogenetic maximum likelihood tree generated from the mitochondrial COI sequence alignment. GenBank
accession numbers from other studies of species shown in parentheses. Numbers above branches represent maximum
likelihood probabilities.

4. Discussion

Results showed the lower intertidal zones at Toco, Trinidad, to be dominated by zoan-
tharians, specifically Palythoa and Zoanthus spp., similarly reported by Rabelo et al. [27]
further south from Trinidad and Tobago on flat sandstone reefs in northeastern Brazil. As
well, zoantharians were common in shallow-water habitats, and Palythoa and Zoanthus spp.
were most common in shallow waters (<5 m), as reported at sites along the west coast of
Curaçao [11]. In fact, Belford and Phillip [9,10,12,28] highlighted zoantharians being more
abundant than their Scleractinia counterparts at this study’s main sites. Lopez et al. [29] ob-
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served extensive zoantharian coverage for species Zoanthus solanderi and Zoanthus sociatus
at a “zoanthid zone” located at Cabo Verde Islands, central eastern Atlantic,. Additionally,
Karlson [6] observed similar extensive Zoanthus spp. coverage at Discovery Bay, Jamaica.
This study reports a similar presence of a zoantharians covering the majority of the benthic
lower intertidal zone, dominated by Palythoa and Zoanthus spp. in the southern-most part
of the Caribbean.

Although zoantharian coverage was extensive, identification of zoantharians was
difficult, because color morphotypes varied among sites. Similar observations were men-
tioned by Reimer et al. [20] related to zoantharian identification in the field, and in other
studies [30]. Phylogenetic and morphological analyses using the COI marker revealed
Palythoa brown and green color morphs were specifically Palythoa caribaeorum and Palythoa
grandiflora, respectively, while green, orange, grey, and blue-green were Zoanthus pulchellus
and Zoanthus sociatus, respectively. However, it is worth mentioning that caution should be
taken since only the COI marker was used in this study. For instance, Sinniger et al. [31]
noted that although the COI marker is easily amplifiable with universal primers, and was
hence used in this study, the addition of the mitochondrial 16S ribosomal DNA marker
is useful for comparison and further species identification. In fact, the addition of 16S
sequences adds distinct advantages as they are slightly more variable in zoantharians than
COI, thereby adding useful phylogenetic information [31].

Closed polyps are often observed during extreme low tides, where desiccation plays
a factor in distribution; however, Rabelo et al. [27] reported Z. sociatus resisting desicca-
tion better than P. caribaeorum. However, in this study, the reverse was observed, where
P. caribaeorum had a significantly higher benthic coverage than Zoanthus spp. at lower
intertidal zones, nevertheless zoantharian distribution appears to be related to desiccation
tolerance [27]. It is not precisely known why the reverse of [27] was observed in this study,
however family Zoanthidae, such as Z. pulchellus and Z. sociatus, have generally been
known to adapt to different environments [10,19]. Reimer et al. [20] reported variation
in Palythoa sp. polyp form and color as a result of variable environments, such as degree
of wave action, and benthic type, which were characteristics similarly observed at Toco,
Trinidad [9,10,12,28].

Zoantharian color morphotypes were observed in both high and low wave action
habitats, especially at the lower intertidal zones where P. caribaeorum carpeted much of
the lower intertidal zones. However, Z. pulchellus mainly covered individual rocks, or
crevasses, and displayed many colors throughout the intertidal zone. Z. sociatus also was
found within crevasses, however it was not observed to be found in extensive coverage
at sites in this study. It should be noted that extreme caution should be taken while
surveying zoantharian coverage using color morphotypes to identify zoantharians since
species may be conspecifics [8,19]. This study successfully used molecular analyses to
assist with identification of Zoanthus pulchellus and Zoanthus sociatus. Zoanthus spp. display
phenotypic plasticity in both oral disk color and polyp height [27]. Additionally, molecular
analyses assisted in identifying P. caribaeorum and P. grandiflora; however it should be noted
that these two species can be distinguished from morphological characteristics.

Further phylogenetic analyses of zoantharians confirmed the Symbiodiniaceae genera
Cladocopium and Symbiodinium in Palythoa and Zoanthus spp., respectively. These results
are consistent to past analyses of both species at different locations in the Caribbean Sea
and Atlantic [31–33]. Similar results for both Zoanthus species mentioned in this study
hosting Cladocopium and Symbiodinium were reported at Cape Verde Archipelagos [30]. As
global climate will continue to affect oceanic water temperatures [34], identification and
distribution of zooxanthellate zoantharians such as in this study will provide important
baseline data for future analyses.
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Abstract: To date, Trapezia spp. crabs have been considered obligate symbionts of pocilloporid corals.
They protect their coral hosts from predators and are essential for the health of certain coral species.
However, the basic details of this group of crustaceans are lacking, and there is a need for species-level
molecular markers. The Tropical Eastern Pacific (TEP) region harbors important coral communities
mainly built by corals of the genus Pocillopora, with three known Trapezia species known to associate
with them: Trapezia bidentata, T. formosa and T. corallina. Both taxonomic and molecular analyses were
carried out with samples of all three crab species collected from Pocillopora spp. in the Central Mexican
Pacific. Analysis of both a mitochondrial and a nuclear gene revealed only two species, T. corallina
and T. bidentata. T. formosa however appears to be a morphotype of T. bidentata. The use of integrative
taxonomy for this group has increased the knowledge of the biodiversity not only of the study area,
but of the whole TEP and will enhance the future study of the Trapezia–Pocillopora symbiosis.

Keywords: coral reefs; cox1; H3; crustacea; molecular systematics; morphotypes

1. Introduction

Coral communities are highly productive ecosystems that harbor a high biodiversity and
biomass of small crustaceans [1], among which decapods constitute nearly one-third of the total
species [2]. Their relevance is associated not only with the high biomass they represent for the
ecosystem, since Crustaceans can affect and/or modify their communities through herbivory, predation,
consumption of detritus and nonorganic components and oxygenation of the sediment through burrow
construction [3]. Furthermore, crustaceans form numerous, complex trophic relationships that are
prone to change in response to both natural and anthropogenic stressors that can threaten the integrity
of the coral reef ecosystem, including of crustacean assemblages [4].

Members of the genus Trapezia (Decapoda, Brachyura, Trapeziidae) are ecologically important
crustaceans that form obligate symbioses with hermatypic corals of the most widely distributed and
abundant genus of the Tropical Eastern Pacific (TEP): Pocillopora [5]. Trapezia crabs live their entire
lives, sheltered among the coral branches, providing to the whole colony a defense system against
conspecifics and against predators that threaten the coral, such as the corallivorous crown-of-thorns
sea star (Acanthaster sp.) [6]. The crabs not only defend the coral, but they remove detritus and
promote branch elongation [7]. In exchange, the crabs benefit from the coral-provided shelter, as well
as nourishment in the form of the detritus that accumulates in the coral branch mucus [8]. In terms
of within-colony Trapezia distribution, there are typically size-based hierarchies in which mature
couples dominate and are located among the central branches. Smaller-sized individuals (new recruits,
juveniles and even adults) mainly live at the base of the coral colony [8], promoting a hierarchy in
the use of resources according to the size of the organisms. Due the complex ecological role of the
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carbs, the Trapezia–Pocillopora relationship is now considered as mutualism rather than an obligate
commensalism [9,10].

The distribution of Trapezia predominantly mirrors that of their coral hosts [11]. Despite the
TEP region having been historically characterized as a region with suboptimal conditions for coral
growth/development, there are important coral communities present. However, they do face seasonal
upwelling, internal waves, high turbidity, eutrophic conditions, high interannual variation in seawater
quality and frequent and intense ENSO events [12,13], all of which can negatively affect corals,
decreasing their cover and therefore the available habitat and food supply for the crabs. Nevertheless,
the TEP harbors well-developed, shallow coral communities, and the northern TEP is considered
especially biodiverse [14,15].

To date four Trapezia species have been recorded in the TEP: Trapezia digitalis and Trapezia ferruginea,
which are widely distributed across the Indian and Pacific oceans and the endemic T. corallina and
T. formosa [16]. Nevertheless, due to the almost imperceptible morphologic differences among species,
some taxonomists have considered there to be only two [16]: T. corallina (synonymized with T. digitalis)
and T. formosa (synonymized with both T. bidentata and T. ferruginea). Therefore, despite the existence of
historical records of Trapezia within pocilloporid corals, their taxonomic classification remains unclear.
Given (1) their importance to coral and coral reef health, (2) the inability to distinguish between
putatively different species and (3) the need to understand whether certain crab species demonstrate
specificity to (or a preference for) certain coral species, we sought to use morphometric and molecular
taxonomic tools to better understand the ecology of the crab–coral symbiosis in the TEP.

2. Materials and Methods

2.1. Study Site

Trapezia spp. crabs were sampled from Pocillopora spp. colonies located in the Islas Marietas
National Park (IMNP); a coral community located in the Central Mexican Pacific (CMP) region
(Figure 1). This Natural Protected Area (NPA) harbors one of the most important coral communities of
the Northeastern Tropical Pacific, one composed mainly of branching corals of the genus Pocillopora
and massive and submassive corals of the genera Porites and Pavona. These three genera constitute
most the hard coral cover [17] from 0 m to 20 m, as is typical elsewhere in the TEP [18]. The NPA is an
oceanographic transition area where three oceanic currents converge: the Costa Rican Coastal Current,
the California Current and the water mass of the Gulf of California [19]. The surface ocean temperature
ranges from 23 to 30 ◦C during the year, with minimum and maximum values in March and September,
respectively. Local conditions, such as upwelling and internal waves, cause the appearance of both
daily fluctuations of up to 5 ◦C [20] and of a thermocline at depths of up to 20 m, resulting in highly
variable conditions of sea temperature and dissolved oxygen [19,21,22]. This region is influenced by
seasonal hurricanes, storms and natural stressors, and also by ENSO events that are associated with
abnormal increases (El Niño) or decreases (La Niña) in surface temperature for several weeks or even
months. Such temperature anomalies can affect the corals detrimentally, as can other environmental
factors, such as altered pH and nutrient levels [23].

2.2. Sampling and Taxonomic Identification

Trapezia crabs were collected at three sites within IMNP (Figure 1). Each crab was obtained
from a different Pocillopora colony at a depth of 5–7 m. Crabs were collected carefully (using metallic
tweezers to extract them from the live coral colony) and immediately placed individually in 50-mL
plastic tubes filled with seawater. Following collection, the crabs were preserved in 96% ethanol
and transported to the laboratory. Crabs were then observed using a stereoscope (Stemi 508-Zeiss®,
Oberkochen, Germany) and classified to species level following the taxonomic criteria described by
Castro [16,24]; carapace shape and size, color, cheliped size and propodus color were all considered.
All crabs were photo-documented using a Canon Elph PowerShot 180 camera (Canon Inc., Tokyo,
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Japan), and, prior to long-term storage, a sample of muscle tissue was dissected from the cephalothorax
and preserved in 96% ethanol for DNA extraction. Carapace and cheliped width and length were
measured individually using Image J software (Open Source, Developed at the National Institutes of
Health and the Laboratory for Optical and Computational Instrumentation, University of Wisconsin,
Madison, WI, USA); values are expressed per species and sex as mean mm ± standard deviation.

²

Figure 1. Study area in the Islas Marietas National Park (IMNP), Nayarit, Mexico, showing the location
of sampling sites. All sampling sites have a high cover of Pocillopora sp. (15–33%). (A) Zona de
Restauración (20.698860◦ N, 105.580997◦ W); (B) Cueva del Muerto (20.697389◦ N, 105.582806◦ W) at
Isla Larga; (C) Plataforma Pavonas (20.700908◦ N, 105.565304◦ W) at Isla Redonda.

2.3. DNA Extraction, Amplification and Sequencing

Genomic DNA from the muscle tissue was extracted using the Wizard® Genomic DNA Purification
kit (Promega, Madison, WI, USA) according to the manufacturer’s protocol. Partial sequences of
the nuclear gene histone H3 (H3) and the mitochondrial gene cytochrome c oxidase subunit 1 (cox1)
were PCR amplified as follows: H3 gene fragments (347 bp) were amplified using the primers
H3af 5′-ATGGCTCGTACCAAGCAGACVGC-3′ and H3ar 5′-ATATCCTTRGGCATRATRGTGAC-3′
of Lai et al. [25]. Cox1 gene fragments (600 bp) were amplified using the primers LCOI490
(5′-GGTCAACAAATCATAAAGAYATYGG-3′) and HCOI21908 (5′-TAAACTTCAGGGTGACCAAAR
AAYCA-3′) from Folmer et al. [26]. PCR mix comprised 7.23 μL nuclease-free of H2O, 0.75 μL of MgCl2,
0.66 μL of dNTPs, 2.5 μL of 10× buffer, 0.13 μL of each primer, 0.10 μL of Taq polymerase (Promega)
and 1.2 μL of DNA0. After an initial denaturation step at 94 ◦C for 5 min, 40 cycles, comprising 94 ◦C
for 1 min, 62 ◦C for 1 min (H3) or 48.4 ◦C for 1 min (cox1) and 72 ◦C for 1 min, were carried out, with a
final extension step of 5 min at 72 ◦C.

PCR products were visualized on 2%-TAE (Tris-acetate–EDTA) agarose gels. The final products
were purified with the Wizard SV gel and PCR clean-up system (both from Promega) and sent to
Macrogen, Inc. (Seoul, Korea). The forward and reverse sequences obtained were manually edited
using Geneious Prime 2019.2.3 software in order to obtain a consensus sequence for each gene.
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To confirm the species identity, the consensus sequences were queried against the National Center for
Biotechnology Information database (i.e., GenBank) via BLAST. Each gene sequence was submitted
to NCBI with the following accession numbers: (H3) MT720697, MT720698, MT720699, MT720700,
MT720701, MT720702, MT720703; (cox1) MN852247, MN852248, MN852249, MN852250, MN852251,
MN852252, MN852253, MN852254.

Some additional sequences from members of the family Trapeziidae were obtained from GenBank
and aligned with the sequences generated herein using Clustal W within Mega-X [27]. It is important
to emphasize that, to date, there are no T. corallina and T. formosa H3 and cox1 sequences available and
that for T. bidentata no published H3 sequences exist. Molecular data sets (H3 and cox1) were analyzed
with maximum likelihood (ML) and Bayesian information (BI) methods.-ML analyses were performed
using Mega-X software with 1000 bootstraps. TN93+G+I (Tamura–Nei model+gamma distributed rate
of substitution+estimated proportion of invariant sites) was the best-fitting nucleotide substitution
model for cox1, with T92+G (Tamura 3-parameter+gamma distributed rate of substitution) the ML
best-fit for H3. Bayesian analyses were conducted with MrBayes v.3.1.2 [28] and appropriate DNA
substitution models were determined separately for the H3 and cox1 datasets. The Bayesian analysis
was conducted by computing 10,000 Markov chain Monte Carlo generations with 7 H3 and 8 cox1
sequences. Using Mega-X software and cox1 marker, pairwise genetic distances were calculated among
the T. bidentata and T. formosa sequences from the present work, as well as T. bidentata sequences from
GenBank. Finally, the species Kempina mikado (Crustacea: Stomatopoda) was used as the outgroup.

3. Results

3.1. Morphologic Identification

A total of 26 crabs were sexed and identified taxonomically based on coloration patterns, the shape
of the cephalothorax and the size and shape of the chelipeds. Taxonomic characteristics based on
Castro [16,24] determined that the crabs belonged to three Trapezia species, and a mix of males,
females and juveniles were obtained and described as follows (Figure 2): The crabs identified as
T. formosa (3 females, 4 males) were all characterized as small adults, with cephalothoracic widths
ranging from 4 to 7 mm (Table 1). They usually presented a reddish-orange color, with the lower
margin of the propodus (chelipeds) yellowish and with chelipeds lengths 3-fold greater than widths
(Table 1). Their carapaces were globose, with the anterolateral sides strongly curved (up to 45◦;
Figure 2A). The crabs identified as T. bidentata (7 females, 5 males and 1 juvenile) showed most of the
morphologic characteristics of T. formosa with the key difference being that the specimens identified as
T. bidentata showed a darker red coloration and presented less curved anterolateral sides of the carapace
(Figure 2B); for this species the specimens examined presented higher carapace and cheliped sizes than
T. formosa (Table 1). Finally, the crabs identified as T. corallina (5 males and 1 juvenile) presented a dark
orange-brown color, brown reticulations on the propodus, and, in general, thick and bulky chelipeds;
they were also characterized by a complete suture between the (i) second and third thoracic sternites
and (ii) the ischium of the endognath of the third pair of maxillipeds; also, this species showed a rough
appearance in the middle portion of the inner margin (Figure 2C). Finally, T. corallina presented both
the largest cheliped and largest carapace of the species collected (Table 1).

Table 1. Trapezia carapace and cheliped measurements per species and sex. Values reported as
means ± SD. N/A corresponds to no available data.

Species
Carapace Width Carapace Length Cheliped Width Cheliped Length

Males Females Males Females Males Females Males Females

Trapezia formosa 6.10 ± 0.99 5.90 ± 1.31 5.06 ± 0.64 5.19 ± 0.78 2.54 ± 0.50 2.85 ± 0.87 6.41 ± 1.27 6.09 ± 0.52

Trapezia bidentata 6.95 ± 0.78 8.93 ± 2.43 5.86 ± 1.76 6.32 ± 1.91 3.26 ± 0.19 3.15 ± 1.52 7.69 ± 1.83 6.156 ± 0.921

Trapezia corallina 9.03 ± 1.56 N/A 8.17 ± 3.01 N/A 4.19 ± 0.52 N/A 9.78 ± 2.33 N/A
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Figure 2. Trapezia crabs of the Tropical Eastern Pacific. (A) Trapezia formosa; (B) T. bidentata; (C) T. corallina.
CW—carapace width; CL—carapace length; RC—right cheliped.

3.2. Molecular Identification

BLAST results revealed that all sequences analyzed (n = 15) were 99–100% similar to those of
published sequences from the Trapezia genus on GenBank. Phylogenetic trees were built for each gene
from the sequences obtained (Figures 3 and 4) within the Trapeziidae family: seven TEP H3 sequences
(264 bp) and eight TEP cox1 sequences (582 bp). Both ML and BI methods revealed that both molecular
markers clustered the species T. bidentata and T. formosa into the same group; this result was also
supported by high posterior probabilities and bootstrapping (Figures 3 and 4). T. corallina clustered
with T. tigrina in a different, sister group. Pairwise genetic distances were zero between T. bidentata and
T. formosa. When comparing cox1 sequences from T. bidentata and T. formosa from the present work with
those from T. bidentata obtained from GenBank, pairwise genetic distances were 0.001.

Figure 3. Consensus tree of the Trapeziidae family obtained using maximum likelihood and Bayesian
information (BI) methods based on the H3 nDNA gene. Bootstrap values/posterior probabilities (ML/BI)
are indicated under the principal node. Clade A: Quadrelliinae; B: Calocarciniinae; and C: Trapeziinae.
Kempina mikado (Crustacea: Stomatopoda) was used as the outgroup. * = Denotes sequences of crabs
taxonomically identified as T. formosa.
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Figure 4. Consensus tree of the Trapeziidae family obtained using maximum likelihood and Bayesian
information (BI) analyses based on the cox1 mtDNA gene. Bootstrap values/posterior probabilities
(ML/BI) are indicated under the principal node. Clades A: Trapeziinae; B: Calocarciniinae; and C:
Quadrelliinae. Kempina mikado (Crustacea: Stomatopoda) was used as the outgroup. * = Denotes
sequences of crabs taxonomically identified as T. formosa.

4. Discussion

The use of genetic tools for investigating crustacean phylogenetics is widespread and both cox1
and H3 have proven suitable for resolving crab identities to species level [25,29,30]. By comparing
cox1 sequences of specimens with published available data for related taxa, we identified two clades:
T. corallina and T. bidentata. The cox1 mitochondrial gene, while overall highly conserved [31], contains a
hyper-variable region that is useful for taxonomy. By performing the same procedure with the H3
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gene, the same two clades were resolved: T. corallina and T. bidentata. The H3 nuclear gene evolves
more slowly than mitochondrial genes [32], but nevertheless corroborated the cox1 findings.

The delimitation of species is problematic for recently diverged lineages that are not yet
morphologic distinct. Furthermore, phenotypic convergence can also lead to low morphologic
divergence [33]. The integrative use of morphologic (traditional taxonomy) and genetic
identification approaches employed herein could be extended to include behavioral and ecological
characteristic [34,35] so as to serve as an even more holistic identification method. Using traditional
taxonomic characterizations alone, T. corallina, T. formosa and T. bidentata were considered three
different species. This conclusion was based on taxonomical parameters that were generally considered
valid for discrimination between decapod species: the shape of the carapace, chelipeds and external
coloration [24,25,36–39]. However, the molecular data support the conclusion that T. formosa is a
morphotype of the species T. bidentata and thus should not be considered as a separate species.

Accurate identification of members of the Trapezia genus is of value not only for the future study
of decapods, but also for study of their coral hosts. Pocillopora is considered the main reef-builder of the
TEP region [40–42] and, unlike dominant corals in other parts of the Indo-Pacific, are markedly resilient
to environmental change [43,44]. Given that adult healthy colonies seem always to be associated with
at least one Trapezia sp. crab, it is possible that this high acclimatization capacity is linked to crab
presence [40,45]. It is nevertheless unclear what implications future climate change-driven impacts
will have on this mutualistic symbiosis and a more rigorous assessment of ecological implications of
crab–coral mutualism in the TEP would be of value. In this case additional molecular markers and
other traits (e.g., behavior or physiology of the crabs) could be incorporated into an investigation in
order to gain new insights, including into the role of commensals in promoting resilience of the TEP’s
coral communities.
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Abstract: Sri Lanka, an island nation located off the southeast coast of the Indian sub-continent, has
an unappreciated diversity of corals and other reef organisms. In particular, knowledge of the status
of coral reefs in its northern region has been limited due to 30 years of civil war. From March 2017
to August 2018, we carried out baseline surveys at selected sites on the northern coastline of the
Jaffna Peninsula and around the four largest islands in Palk Bay. The mean percentage cover of live
coral was 49 ± 7.25% along the northern coast and 27 ± 5.3% on the islands. Bleaching events and
intense fishing activities have most likely resulted in the occurrence of dead corals at most sites (coral
mortality index > 0.33). However, all sites were characterised by high values of diversity (H’ ≥ 2.3)
and evenness (E ≥ 0.8). The diversity index increased significantly with increasing coral cover on the
northern coast but showed the opposite trend on the island sites. One hundred and thirteen species
of scleractinian corals, representing 16 families and 39 genera, were recorded, as well as seven soft
coral genera. Thirty-six of the scleractinian coral species were identified for the first time on the
island of Sri Lanka. DNA barcoding using the mitochondrial cytochrome oxidase subunit I gene (COI)
was employed to secure genetic confirmation of a few difficult-to-distinguish new records: Acropora
aspera, Acropora digitifera, Acropora gemmifera, Montipora flabellata, and Echinopora gemmacea.

Keywords: Jaffna Peninsula; coral mortality index; DNA barcoding; phylogeny; biodiversity; conservation

1. Introduction

Corals are foundational species that appeared 425 million years ago and are responsi-
ble for creating the structural complexity and high productivity of coral reef ecosystems [1].
They have radiated into more than 1500 species and nearly 900 scleractinian corals. Almost
all reef corals are hermatypic, that is, they contain in their tissues photosynthetic algae of
the family Symbiodiniaceae [1–3], which, living in a symbiotic relationship with corals,
are ultimately responsible for the high biomass and productivity of reef habitats [1,4]. The
high species diversity of coral reefs has led to their designation as oceanic “rain forests” [5].
However, unprecedented declines in live coral cover and phase shifts in coral reef ecosys-
tems have arisen from the impacts of anthropogenic activities. The most recent widespread
degradation of coral reefs, involving coral bleaching and the consequent death and loss of
corals, is mostly due to climate change and ocean acidification [6,7]. Averting the effects of
climate change will be a considerable challenge if we are to secure the ecological, economic,
and social values of coral reefs in the marine biome.
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Considering the global nature of these ongoing threats to coral reefs, we investigated
the most neglected coral reef area on the Island of Sri Lanka (SL), which is located 40 km
away from the southeast coast of the Indian mainland and has 1338 km of open coastline
and 2791 km located within coastal lagoons [8]. Fringing-type coral reefs occupy about 2%
of the coast and cover 475.70 sq km of Sri Lankan territorial waters [9], with more exten-
sive and well-developed fringing reefs being present on the north-western and northern
coasts than in the southern and eastern regions [10,11]. The first detailed records of these
coral reefs date from the 19th century and were provided by Ridley (1883) and Ortmann
(1889) [12,13]. Subsequently, further studies of Sri Lankan reefs were published through
the 20th century [14–19], but most of these concerned the western, south-western, southern,
and north-western parts of the country [20,21]. In contrast, the northern region of SL has,
in the recent past, received very little attention, due to the decades of civil war. As a result,
little is known about the distribution and diversity of corals in that area, yet the region
includes the largest coral reef ecosystem in SL, located near the Gulf of Mannar and known
as “Bar Reef”. It is recognised as a “High Regional Priority Area” by the International
Union for the Conservation of Nature (IUCN)/National Oceanic and Atmospheric Admin-
istration (NOAA) USA “World Heritage Biodiversity” Project [22,23]. Further north lie
Palk Strait and Palk Bay, which are highly productive shallow water areas containing coral
reefs, seagrass beds, coastal lagoons, estuaries, mangroves, and salt marshes [22–27].

At the northernmost end of Sri Lanka is the Jaffna Peninsula, with around 293 km
of coastline. Extensive fringing coral reefs are present along the northern coast of the
peninsula and around the adjacent islands [28], many of which were previously unsurveyed.
However, during and following the decades of civil war (which ended in 2009), these
reefs were exposed to destructive fishing practices, such as the use of explosives, as well
as over-fishing of many species, including ecologically important herbivorous fish and
invertebrates, the loss of which has often been associated with a phase shift from coral
dominated to algal dominated reefs [24–26]. Studying the ecology and biogeography of
northern Sri Lanka represents a considerable challenge, since access presents problems and
little information is available about the marine topography and substratum [29].

The present study aimed to report on the current status of reefs around the Jaffna Peninsula
and to extend our knowledge of the understudied benthic community, including the diver-
sity of coral species. To do so, we combined molecular tools and traditional morphometric
approaches [30–32] and used DNA barcoding, which is known to have revolutionised the
understanding of the evolution and systematics of scleractinian corals and resulted in an
extensive taxonomic revision of the order [33–37]. Our surveys revealed that the coral reefs
of the Jaffna Peninsula have a relatively high percentage of live coral cover and a greater
diversity of scleractinian corals than other parts of the country.

2. Materials and Methods

2.1. Study Area

The Jaffna Peninsula (JP) and its islands surround an almost enclosed body of shallow
water, located on the southern side of the 25–50 km wide Palk Strait. They form a reef
and island complex (known as “Sethusamudram”) that lies at the south-eastern tip of the
Indian mainland, partially enclosed off the Bay of Bengal (BOB) (Figure 1). The islands
themselves are often referred to as the “Coral Islands Archipelago” and are believed to
have been formed as a result of sea level rise since the late Holocene [8,24,38]. On the SL
mainland, fossilised limestone rocks are present in the near-shore area, extending up to
50 m seawards, along the northern coast between Point Pedro and Keerimalai, while sandy
to muddy seabed extends westwards from Keerimalai, as well as around the islands of
the JP. In contrast, the coastline along the south-eastern shore extending from Point Pedro
towards the SL coastline is composed of sandy beaches.
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Figure 1. Maps showing (above left) the location of the Jaffna Peninsula (within the red rectangle) in
relation to Sri Lanka and southern India, (above right) the relation of the Jaffna Peninsula to the Palk
Strait and Palk Bay, and (below) the locations of the study sites (blue circles) on the northern side
and the island sites (red circles) of the Jaffna Peninsula and its adjacent islands.

Long stretches of the reef, called “paar” by local fishermen and made up mostly of
fringing reef, extend along the northern coast and around the islands at depths between 1
and 8 m [24,27]. Typically, there is a reef flat, 15–20 m wide and 1 to 2 m deep, extending
seawards from the shore, with a substrate mainly of dead coral rocks and coral gravel [24].
Beyond this, the reef front (including reef crest) and reef slope region are dominated by a
mix of live coral and dead coral to a depth of nearly 6 m. The maximum depth of the reef
base is no more than 8 m [24], so no surveys were undertaken beyond this depth.

Study Sites

Eight reef areas were surveyed between March 2017 and August 2018. These can be
divided into two groups, those on the island reefs located in the Palk Bay and those along
the northern coast of the Palk Strait (Figure 1). Within these eight reef areas, ten actual sites
were surveyed: the Delft reef front (Del), the Karainagar reef front (Knr), the Kayts outer
reef slope (Kt1), the Kayts outer reef flat (Kt2), the Pungudutivu outer reef slope (Pu1),
the Pungudutivu outer reef flat (Pu2), and the reef fronts at Point Pedro (Munai or Ptm),
Inbarsitty (Inb), Thondaimanaru (Tho), and Valithoondal (Val) (Figure 1). These were either
shallow, outer reef flat sites at 1 to 3 m depth, or reef front sites at 3 to 6 m depth. Visual
inspections of the reef flats on the north coast revealed that all but the most protected sites
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supported very low, mostly nil, live coral cover; similarly, inner reef flats and reef lagoons
at the island sites were mostly composed of seagrass beds and broken coral rubbles. Given
this, quantitative surveys were not carried out at these locations. In addition, the Delft,
which is located in Palk Bay, is known as the island of dead corals, most pieces of which
are believed to be of Miocene origin. In contrast, the islands of Pungudutivu and Kayts are
well-known locally to have well-developed coral reefs extending to a depth of about 6 m.

2.2. Surveys and Sampling

Surveys were conducted using the standard Reef Check survey method (see http:
//reefcheck.org/ecoaction/Monitoring_Instruction.hp, accessed on 30 August 2018) [39].
A 100 m transect was divided into four 20 m long segments, each separated by a 5 m
interval from the next one, so that the four segments could be considered as replicates. On
each segment, substrate cover was recorded beneath the transect line at 0.5 m intervals,
so that 40 data points were recorded per segment (160 per 100 m transect). The transect
lines were laid down parallel to the shore, along the long axis of the reef. The work
was undertaken using SCUBA at 2 to 6 m depth, and snorkel at 1 to 2 m depth. The
substrate was recorded using the following categories (and codes): hard coral (HC), soft
coral (SC), dead coral with macroalgae or nutrient indicating algae (NIA), recently killed
coral (RKC), sponge (SP), coral rubble (RB), hard substrate of dead coral more than one
year old covered by turf algae or encrusting coralline algae (RC), sand (SD), silt (SI), and
others (including sea anemones, tunicates, gorgonians, or non-living substrate) (OT) [39].
Digital photography and videography were employed (using a GoPro Digital Hero 5 Black,
GoPro Inc., (San Mateo, CA, USA) to provide a visual record of the reef habitats and coral
assemblages along the transects. In addition, images of live coral specimens were recorded
with a dedicated underwater camera (Canon PowerShot A620, Canon, USA).

2.3. Coral Reef Cover Analysis

The percentage cover of the substrates at the different study sites was compiled
and processed using the Reef Check Substrate data entry sheet in the Microsoft Excel
application [39]. To investigate differences in the benthic community between the study
sites, Principal Component Analysis and Bray–Curtis Cluster Analysis were carried out
using PAST version 3.22 (Øyvind Hammer, Oslo, Norway) [40]. The mean percentage
covers of substrate categories were analysed using IBM SPSS Statistics (Version 27.0, IBM,
Armonk, NY, USA). Mann–Whitney U-tests were used to test for differences in the substrate
between the Palk Bay and Palk Strait reefs. Differences in proportions of main benthic
categories (HC, SC, RC, NIA, RB) amongst sites were tested using a Kruskal–Wallis test. To
assess the status of the reefs, a coral mortality index (CMI) was calculated by dividing the
percentage values of dead coral cover by the combined value of live and dead coral cover.
If the CMI was greater than 0.33, the reef was considered likely to have been impacted by
natural or anthropogenic stressors [41]. Sites were also classified based on the amount of
live coral cover as excellent (75–100% live coral), good (50–74.9% live coral), fair (25–49.9%
live coral), or poor (0–24.9% live coral) [41].

2.4. Diversity of Coral Species

Underwater photographs were taken during the surveys at each site and were used
to aid morphological taxonomic identification of coral species. In addition, as far as
practicable, corals were identified in the field to genus level based on morphological
characters following the Indo-Pacific Coral Finder Tool Kit [42]. Subsequently, traditional
diagnostic features such as corallite wall structure, the presence of paliform lobes, verrucae,
valleys, and columella, and other colony characters (as described in the Corals of the World
by Veron [43]) were used for species discrimination. Species diversity, dominance, and
evenness indices were calculated based on the numbers of species recorded along the
transect lines [44].
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2.5. DNA Extraction, Amplification, Sequencing, and Barcoding of Coral Species

A commercially available spin-column-based DNeasy® Blood & Tissue Kit (Qiagen,
Hilden, Germany) was used for DNA extraction from coral tissues, according to the
manufacturer’s instructions. Small pieces of the coral samples were excised with sterile
forceps, and 20–25 mg samples were placed in a sterile 1.5 mL microcentrifuge tube
and subjected to extended lysis for 24 h or longer. The extracted DNA was stored at
−20 ◦C. A specific region of the 658 bp fragment of the cytochrome oxidase gene (subunit I)
(COI) was amplified by polymerase chain reaction (PCR) using the universal primers
LCO 1490 and HCO 2198 [45]. The PCR reaction mix consisted of 1 × PCR colourless
buffer (pH 8.3) (GoTaq, Promega), 4 mM MgCl2, 0.2 mM dNTPs, 0.25 μM of each primer,
0.01 mg mL−1 bovine serum albumin, 0.625 U Taq polymerase (GoTaq, Promega), and
50 ng μL−1 genomic DNA in a 25 μL reaction volume. The PCR thermal regime consisted
of one initial denaturation cycle for 2 min at 95 ◦C; five 1-minute denaturation cycles at
95 ◦C, annealing for 1.5 min at 45 ◦C and an extension for 1.5 min at 72 ◦C; 35 1-minute
denaturation cycles at 95 ◦C, annealing for 1.5 min at 50 ◦C and an extension for 1 min at
72 ◦C, followed by a final extension for 5 min at 72 ◦C.

The PCR products were sequenced in both the forward and reverse directions by
Macrogen Inc. (Seoul, Korea). All DNA sequence chromatograms were assembled and
edited using Unipro (Novosibirsk, Russia), UGENE 1.29.0. The sequences were then
aligned using ClustalW [46], and the aligned outputs queried to identify the species,
along with the reference sequences of various coral species that were retrieved from the
National Centre for Biotechnology Information (NCBI) (www.ncbi.nlm.nih.gov, accessed
on 25 July 2021) [47], GenBank and Barcode of Life Data System (BOLD) databases, using
the Basic Local Alignment Search Tool (BLAST).

2.6. Ethics Statement

Samples were collected with permits from, and in compliance with, the laws and
regulations of the Sri Lanka Department of Wildlife Conservation.

3. Results

3.1. Benthic Substrate, Coral Distribution, and the Status of Reefs

The extent of the benthic categories varied significantly across the study sites (Figure 2).
The mean percentage cover of benthic categories was compared between the sites on the
Palk Bay islands and the sites on the northern coastal reefs in the Palk Strait. Nearly 50% of
the substrate at the reef sites on the northern coast was composed of hard corals, while the
remaining part was mostly composed of dead corals (RC and NIA).

In contrast, the substrate cover at the island sites was composed principally of dead
coral rocks covered with turf algae, with the rest mostly consisting of hard corals, rubbles,
and fleshy macroalgae. There was a significant difference in mean percentage cover of hard
corals (HC) between the northern coastal reefs (n = 16, median = 45.31 ± 10.0 range) and
the island reefs (n = 24, median = 25.31 ± 25.62 range) (Mann–Whitney U-test, p = 0.0001).
In addition, the mean percentage cover of soft corals (SC) was significantly higher on the
northern coast compared to the islands (Mann–Whitney U-test, p < 0.05). In contrast, there
were no significant differences in mean percentage cover of fleshy macroalgae (NIA), of
coral rocks covered with turf algae (RC), or of coral rubble (RB) between the northern coast
and island reef sites (Kruskal–Wallis test, p > 0.05).

55



Oceans 2021, 2

Figure 2. Radar plot giving an overview of benthic cover distribution on the coral reef sites on the Palk Bay islands (left) in
comparison with those on the northern coast of the Jaffna Peninsula (right). (HC- hard coral, SC- soft coral, NIA- dead coral
with macroalgae or nutrient indicating algae, SP- sponge, RB- coral rubble, RC- hard substrate of dead coral more than one
year old covered by turf algae or encrusting coralline algae, SD- sand, SI- silt, and OT- others (including sea anemones,
tunicates, gorgonians, or non-living substrate)).

Comparing individual sites, live coral cover was greatest at the Point Pedro (HC:
52% ± 7; SC: 4% ± 3), Inbarsitty (HC: 44% ± 3; SC: 3% ± 2), and Thondaimanaru
(HC: 46% ± 6; SC: 2% ± 1) (±indicates SD) (Figure 3). The Valithoondal, Karainagar,
Pungudutivu, and Kayts sites also had live coral cover of between 25% and 50%, corre-
sponding to fair health status as defined here. Live coral cover was lowest (15–30%) at
the five island sites Knr, Pu2, Kt1, Kt2, and Del (excluding Pu1). Punkudutviu and Kayts
islands were characterised by the highest mean percentage cover of dead coral (61% ± 7
and 58.5% ± 10.5, respectively) followed by Delft reef front (46% ± 6) (Figure 3). Thus,
a high live coral cover (49% ± 7.25) was observed on the northern coast and a low live
coral cover (5%) on the island sites, except at Del (Figures 2 and 3). In all cases, the coral
mortality index was greater than 0.33 (Figure 3), implying that all the reefs were stressed
or impacted.

Figure 4 revealed two major groups of sites that cluster at a 60% similarity level. Sites
Knr, Val, Ptm, Tho, Inb, Pu1, and Pu2 fall into the upper group, and Kt1 and Kt2 into the
lower group, within which the Delft reef front site (Del) appears to be an outlier. There
were three sub-groups in the upper group of the dendrogram, consisting of Inb, Tho, and
Ptm (showing >85% homogeneity), Pu1 and Pu2 (>80% homogeneity), and Val and Knr
(>70% homogeneity). Thus, all of the north coast sites plus two of the island sites (Pu1
and Pu2) fall into the upper group and the remaining island sites into the lower group, so
supporting the distinction made above based on coral cover alone.
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Figure 3. Percentages of live coral cover and dead coral cover, together with the values of the Coral Mortality Index (CMI)
on coral reefs at each of the study sites.

Figure 4. Bray–Curtis Cluster analysis based on differences in the benthic cover on the reefs of the Jaffna Peninsula, together
with a map showing the locations of the sites. (Abbreviations as shown on the map.)

Turf algae-dominated dead coral rocks (RC) were observed ubiquitously at the island
reefs. The greatest extent of dead corals covered with turf algae (48.5% ± 13) occurred at
Kayts island and of coral rubble at Pungudutivu island (31.5% ± 7). The Delft reef front site
(outlier group) in the dendrogram was distinguished from the other sites by the presence
of a very low percentage of live hard coral cover (16% ± 5 SE) and a high percentage of
abiotic substrates, such as sand (31% ± 5), although the highest proportion of abiotic forms
were observed at Pungudutivu (mean of RB 31.5% ± 7; SD 2.5% ± 2).

Valithoondal and Karainagar reef sites had similar amounts of soft coral cover, and dead
coral rocks covered with macroalgae such as Turbinaria sp., Caulerpa sp., and Sargassum sp.
(Figure 5, Supplementary Table S1). Valithoondal reef region had the highest live coral
cover (45% ± 7) of massive growth forms, including various species (Table 1). At Point
Pedro, Valithoondal, and Karainagar, numbers of giant clams, sea cucumbers, tunicates,
and sea anemones were present (documented as others, OT) (Supplementary Table S1).
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Soft corals were uncommon but were occasionally found on transects on the northern
coast. No soft corals were recorded at Pungudutivu or Kayts islands, and only a few at
Karianagar island.

Figure 5. Principal component analysis (PCA) showing the pattern of differences between study sites and how they
correlate with different benthic components (HC- hard coral, SC- soft coral, NIA- dead coral with macroalgae or nutrient
indicating algae, SP- sponge, RB- coral rubble, RC- hard substrate of dead coral more than one year old covered by turf
algae or encrusting coralline algae, SD- sand, SI- silt, and OT- others (including sea anemones, tunicates, gorgonians, or
non-living substrate)).

Table 1. List of the coral families recorded, showing the total numbers of genera and species identified from the study area.

No. Family Jaffna

Genera Species
1 Acroporidae Verrill, 1902 4 28
2 Agariciidae Gray, 1847 2 3
3 Dendrophylliidae Gray, 1847 1 5
4 Diploastraeidae Chevalier & Beauvais, 1987 1 1
5 Euphylliidae Alloiteau, 1952 1 2
6 Fungiidae Dana, 1846 2 3
7 Merulinidae Verrill, 1866 12 39
8 Leptastreidae Rowlett, 2020 2 3
9 Lobophylliidae Dai & Horng, 2009 5 8
10 Oulastreidae Vaughan, 1919 1 1
11 Plesiastreidae Dai & Horng, 2009 1 1
12 Pocilloporidae Gray, 1842 2 3
13 Poritidae Gray, 1842 2 13
14 Psammocoridae Chevalier & Beauvais, 1987 1 1
15 Siderastreidae Vaughan & Wells, 1943 1 2
16 Scleractinia incertae sedis (temporary name) 1 1

Total 39 113
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This distinction between reef areas was further explained by the principal component
analysis (PCA) which illustrated the overall pattern of variation amongst sites and the
dependence of this pattern on different benthic components (Figure 5). The analysis
explains 58.8% of the total variance, of which principal component one (PC1) accounted for
32.3% of the variance and had a positive correlation (PC1 > 0) with the benthic substrates
soft coral (SC), dead corals covered with macro algae (NIA), sponges (SP), sand (SD), and
others (OT), while principal component two (PC2) accounted for 26.5% of the variance
and showed a positive correlation (PC2 > 0) with the substrates rocks covered with turf
algae (RC) and silt (SI). Accordingly, sites Pu1, Pu2, Tho, and Inb are assigned to the
PC1 < 0/PC2 < 0 domain; sites Ptm, Val and Knr to the PC1 > 0/PC2 < 0 domain; sites Kt1
and Kt2 to the PC1 < 0/PC2 > 0 domain; and site Del to the PC1 > 0/PC2 > 0 (Figure 5).

The shallow areas (1 to 3 m depth) of reef front on the northern coast were dominated
by macroalgae from October to April due to the Northwest Monsoon. The data were tested
for any relationship between live coral cover (hard coral (HC) and soft coral (SC)) and algal
cover (RC and NIA) across all sites, showing a significant negative correlation (r = −0.73,
p < 0.05) between live coral cover and algal cover (Supplementary Figure S1).

3.2. Diversity, Taxonomic Composition, and Distribution of Coral Species

The taxonomic study across the eight reef areas surveyed revealed a total of
113 scleractinian coral species, from 39 genera and 16 families, together with seven soft
coral genera (Table 1). Among these, 36 species of hard corals appear to be new records
for Sri Lanka (Table 2), including species of the genera Oulastrea, Coeloeris, and Siderastrea,
although all have been recorded in other parts of the Central Indian Ocean. The full species
list (Table 1) includes 39 members of the family Merulinidae (44% of the total), 28 species
of Acroporidae (32%), and 13 species of Poritidae (15%). The predominant genera present
were Acropora (17 spp.), Dipsastraea (10), Porites (7), Favites (6), Montipora (6), Goniopora (6),
Turbinaria (5), and Platygyra (5) (Supplementary Table S2).

Table 2. Numbers of families, genera, and species of scleractinian corals recorded in each of the eight
reef areas studied around the Jaffna Peninsula, Sri Lanka.

Ptm Inb Tho Val Knr Pu1, Pu2 Kt1, Kt2 Del

Families 12 07 12 08 09 06 08 10
Genera 24 27 24 18 17 15 18 18
Species 49 30 44 25 36 34 33 37

The numbers of genera and species recorded differed between the study sites (Table 2).
On the northern coast, massive coral growth forms were predominant and the principal
genera present were Dipsastraea (6 spp.), Porites (6), Montipora (6), Favites (5), Platygyra
(4), Goniastrea (3), and Symphyllia (3). Encrusting growth forms of the genera Symphyllia,
Lobophyllia and Acanthastrea were also more common on the northern coast. In contrast,
around the island sites, tabulate and branching Acropora, foliose Montipora, massive Porites,
and smaller Goniastrea predominated, with branching and tabulate Acropora and foliose
growth forms occupying large areas. The Pungudutivu and Kayts island sites, in particular,
were dominated by branching and tabulate Acropora, followed in substrate cover by Porites.
The genus Echinopora was observed at Point Pedro, Thondaimanaru, Pungudutivu, and
Kayts Islands. Only a single colony of Pocillopora verrucosa was documented, being at
Point Pedro, while scattered Pocillopora damicornis were recorded on the Inabarsitty and
Thondaimanru reefs. The newly recorded species Acropora gemmifera was found at all
the study sites, but Acropora aspera, Acropora digitifera, Montipora flabellata, and Echinopora
gemmacea were uncommon, with only one colony recorded at any site.

Soft coral colonies representing the genera Capnella, Cladiella, Clavalaria, Lobophyton,
Subergorgia, and Sarcophyton (Supplementary Table S1) were uncommon and made only a
minor contribution (2–4%) to substrate cover, but they were found on the northern coast
and on the islands of Karainagar and Delft.
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A comparison of the number of species present at different sites showed that the north-
ern coastal sites had higher richness and diversity than the island sites (Tables 3 and 4).
Calculation of Shannon’s diversity and evenness indices suggested that all the reefs,
excluding Pungudutivu, had comparable diversity and evenness values (H’ ≥ 2.5; E ≥ 0.9),
with a low dominance index (D ≤ 0.1). The Point Pedro reef front had nearly 50 hard
coral species, followed by Thondaimanaru with 44 hard coral species (Table 3), but the
Shannon–Weiner diversity index at Thondaimanaru was higher (H’ = 3.020) than that at
Point Pedro (H’ = 2.927) (Table 4).

The relationships between mean values of live coral cover and the different diversity
indices (Shannon’s Diversity Index—H’, Simpson’s Dominance Index—D, and Evenness
index—E) were investigated separately for each of the two parts of the study area, i.e., the
island sites (Karainagar, Pungudutivu, Kayts, and Delft) and the northern coastline (Point
Pedro, Inbarsitty, Thondaimanaru, Valithoondal). The relationship between these indices on
the northern coast and on the island sites was further analysed with a Pearson correlation.
On the northern coast, there was a moderate positive relationship between diversity and
live coral cover (Pearson correlation: r = 0.64, p > 0.05). In contrast, among the island sites,
there was a strong negative correlation between both diversity index (Pearson correlation:
r = −0.96, p < 0.05) and evenness (Pearson correlation: r = −0.98, p < 0.05) on the one
hand and live coral cover on the other. Similarly, there was a negative correlation (Pearson
correlation: r = −0.51, p > 0.05) between the dominance index and mean live coral cover on
the northern coast, but a strong positive correlation (Pearson correlation: r = 0.96, p < 0.05)
between these variables among the island sites (Supplementary Figure S2).
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Table 4. The richness and values of diversity and evenness indices for hard corals at each of the study sites of the
Jaffna Peninsula.

Reef Regions
Number of

Species
Richness

Shannon’s
Diversity
Index (H’)

Simpson’s
Dominance
Index (D)

Simpson’s
Diversity
Index (D’)

Evenness
Index (E)

Point Pedro 49 3.429 2.927 0.066 0.934 0.921

Inbarsitty 30 2.921 2.61 0.084 0.916 0.900

Thondaimanaru 44 3.769 3.02 0.060 0.94 0.938

Valithoondal 25 3.470 2.752 0.069 0.931 0.971

Karainagar 35 2.704 2.575 0.089 0.911 0.929

Pungudutivu 32 2.475 2.323 0.127 0.873 0.880

Kayts 34 3.258 2.743 0.083 0.917 0.932

Delft 37 2.959 2.713 0.082 0.918 0.939

3.3. DNA Barcoding of Selected Coral Species

Although most species could be identified from morphological characteristics alone,
some that were difficult to distinguish morphologically and those considered rare were
subjected to DNA barcoding to identify them with greater certainty. Based on the NCBI
GenBank database sequences, the best match for each of the samples studied is shown in
Table 5, together with the respective accession numbers. There were seven mitochondrial
COI gene barcode sequences recorded that represented six new records for Sri Lanka:
four species from the genus Acropora, including two samples of A. gemmifera, and one
species each from the genera Montipora (M. flabellata) and Echinopora (E. gemmacea) (Figure 6,
Table 5). The COI barcode sequences for all the samples showed a >99% similarity to the
respective sequences recorded in GenBank.

Table 5. List of samples sequenced in this study and the most closely related barcodes found in GenBank, together with
their accession numbers, and the publisher of the sequence.

Sample ID Accession ID Sequence Length
Molecular Identification

(Closest Relative in GenBank)
Identity Reference

COJP001 MN689059 709 Acropora aspera (KF448532.1) 99.69% [48]
COJP002 MN689060 717 Acropora gemmifera (MG383839.1) 99.83% [49]
COJP003 MN689061 721 Acropora digitifera (KR401100.1) 99.22% [50]
COJP004 MN689062 711 Acropora gemmifera (MG383839.1) 99.83% [49]
COJP006 MN689067 715 Acropora hyacinthus (LC326547.1) 99.85% [51]
COJP007 MN689068 718 Echinopora gemmacea (HE654561.1) 99.84% [52]
COJP009 MN689065 714 Montipora flabellata (HQ246603.1) 99.51% [53]
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Figure 6. Species subjected to DNA barcoding: (a) Acropora aspera, (b) Acropora digitifera, (c) Acropora gemmifera,
(d) Acropora hyacinthus, (e) Montipora flabellata, (f) Echinopora gemmacea.

4. Discussion

4.1. Status of Reefs and Extent of Impacts

Located close to the southern tip of the Indian sub-continent, Sri Lanka’s coral reefs are
surrounded by other well-developed reef areas in both the Western Indian Ocean and the
Bay of Bengal. India has three coral reef regions, one of which, Palk Bay, lies adjacent to the
present study area, on the opposite side of the Palk Strait. The others, lying much further
away, are the Andaman and Nicobar Islands in the Bay of Bengal and the Lakshadweep
islands located between the west coast of India and the Maldives. Further to the west lie
the Maldives and the Chagos Archipelagoes [54,55]. According to Arthur [56], the reef
faunas of the Gulf of Mannar and Palk Bay islands are closely related to those of other
Sri Lankan coral reefs. However, the differences described here in benthic composition
between islands in the Palk Bay and northern coast sites in the Palk Strait suggest that,
in terms of coral cover and species present, the Palk Strait reefs may also be compared to
those in the above-mentioned neighbouring regions (Figure 7).

To date, it was presumed that all the coral assemblages of Sri Lanka are less well-
developed and diverse than those in these other regions. Due to the limited accessibility
created by the civil war, previous surveys around the Jaffna Peninsula were essentially
limited to confirmation of the presence of fringing coral reefs around the islands [10,27,28].
The first quantitative report was prepared only in 2005, as part of an environmental impact
assessment of the Sethusamudram Ship Channel project [27]. Even then, only rapid
surveys were conducted at four reef sites (Pungudutivu, Eluvaitivu, and two locations in
Kankeasanthurai harbour), while two other fringing reefs, on Analaithivu and Karathivu
islands, were inspected visually to assess their condition. The study reported live coral
cover on the four reefs surveyed to be between 35% and 58% [24]. In contrast, this present
study found that live coral cover at the majority of sites varied between 27% and 49%, with
only the Point Pedro site having more than 50% live coral cover. While this difference might
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relate to differences in methodology or to the present study being restricted to shallow
depths, an alternative explanation is that coral cover has declined since 2005 as a result of
one or more impacts.

The structure of the benthic cover at the island sites in the Palk Bay is somewhat
similar to reefs in nearby regions that have been similarly subject to climate-related coral
bleaching and to fishing related impacts; thus, reports of findings on the Indian reefs may
provide some understanding of the impacts likely to have affected the study area [56–60].
At most sites, turf algae growing over old corals appeared to be the predominant substrate
and the contribution of coral rubble to the substrate was also noticeable, suggesting that
coral cover may have been higher in the past. Algal-dominated reefs are often associated
with post-bleaching impacts [60,61]. A more recent study has described the extent of
bleaching in the region, with bleaching being much higher in Palk Bay (71.48%) at the
depth of 2–3 m than towards the Gulf of Mannar (46.04%), where the coral communities are
deeper than 6 m [60]. Quantitative studies in Lakshadweep, the Gulf of Mannar, and the
Andaman and Nicobar Islands have described a reduction in live coral cover and declining
reef health primarily due to bleaching events from 1998 to 2015 [56,58]. More than 70%
of coral cover was bleached in the Andaman Islands, Gulf of Mannar, and Lakshadweep
islands during the two global bleaching events in 1998 and 2010 [60,62–68]. The bleaching
event of 1998 also caused extensive coral mortality in the southern, south-western, and
north-western parts of Sri Lanka [69–71], but did not affect the coral reefs in the Pigeon
Island, Northern Park, and Dutch Bay areas of eastern Sri Lanka [71]. The tsunami event of
December 2004 is also known to have affected the eastern and southern coral reef regions
of Sri Lanka [70,71].

On the other hand, coral reefs in the Andaman and Nicobar Islands, Lakshadweep,
Gulf of Mannar, Chagos Archipelago, and Maldives have shown considerable recovery
following past bleaching events [57–59,64–68]. Post-bleaching monitoring observations in
Lakshadweep showed a reduction in the dead coral-algal substrate, coral recruitment, and
an increase in live coral cover supporting a phase shift back from algal-dominated reefs to
live coral-dominated substrates [58,61]. A similar scenario might have been experienced in
the present study area by the Palk Bay islands, resulting in the observed high percentage
cover of standing dead coral with turf algae and of coral rubble. In addition, another recent
report on the biodiversity of northern Sri Lanka indicates a similar pattern of coral benthic
composition on many of the islands in Palk Bay, including Punkudutivu [24].

However, it may be suggested that the recovery of corals in the Gulf of Mannar and
Palk Bay has been severely hindered by illegal fishing by vessels. These vessels operate
even in the shallowest areas, stirring up the bottom and causing sedimentation [58,61,69];
they are also involved in bottom trawling, which overturns corals and causes direct
damage [24–26,72]. The area is also subject to illegal fishing practices such as blast fishing [72].
More generally, the inshore reefs, especially along the northern coast of JP, are subject to
considerable fishing pressure, with 21 fish landing sites present within 48 km of coastline,
and a higher number of fishing vessels operating than anywhere else in the nation [73].
These reefs have also been subject to other impacts, including increased terrestrial runoff
and direct damage and sedimentation resulting from dredging and the creation of boat
channels at Pungudutivu, Kayts, Point Pedro, and Valithoondal. Given the scarcity of
available data, further detailed research will be required to elucidate the interacting effects
of environmental conditions, seasonal variation, local anthropogenic pressure, and global
climate change on the community structure of these reefs.

4.2. Coral Species Diversity

This study has significantly improved knowledge of the coral species present in the
study area. Previously, no comprehensive coral inventory had been produced for these
reefs [11,20,21,27,28], which now appear to perhaps be some of the most biodiverse in
Sri Lanka.
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Ridley (1883) made the first note recording 49 coral species in Ceylon (Sri Lanka),
his specimens being deposited in the British Museum [12]. Subsequent studies on coral
species and their distribution were mostly undertaken in the more southern parts of
Sri Lanka at sites including Galle, Hikkaduwa, the Kalpitiya Peninsula, Unawantuna,
Weligama, Polhena, Tangalle, the Great and Little Basses, and Trincomalee [9–11,19–21,28].
In comparison, the coral reefs of northern Sri Lanka have been under-studied, except
for those in the Gulf of Mannar (in north-west Sri Lanka). There was, however, some
preliminary information on aspects of the coral fauna of the Jaffna area [24,27]. Initial rapid
surveys by Rajasuriya [27] noted at least 43 species of hard corals belonging to 20 genera.
He commented that the coral reefs on the north coast and around Pungudutivu Island
were more diverse than those at other study sites in the area. In contrast, the present
study recorded a total of 113 hard coral species belonging to 40 genera from just eight reef
areas, with the highest number of species being recorded at Point Pedro reef front (50 spp.),
followed by Thondaimanaru (44 spp.) (Table 2).

Several species recorded in the present study have also been found at other coral
reef sites in Sri Lanka [9], while many were listed in the corals of India [74–77]. Thus, in
terms of coral species diversity, the reefs appear more comparable to other Indian territorial
reefs (Figure 7). According to Raghuraman et al., 2012 [76], the various reef areas of India
support a total of 478 species, representing 19 families and 89 genera. Considering the
coral species recorded, the closest faunistic relationship of the Jaffna Peninsula reefs is
to the reefs of the Andaman and Nicobar Islands [12,16]. However, fewer species (133)
were reported here than in the Andaman Islands, where around 400 species of corals have
been recorded. Coral species diversity was also similar to the Gulf of Mannar, further to
the west, which has about 100 species [75]. Of the 36 coral species reported here as new
records for Sri Lanka, most appear to be widely but patchily distributed across the central
Indian Ocean and the Arabian Sea (Table 3) [75], with the largest proportions of these also
recorded from the Andaman and Nicobar Islands (23 spp.), the Arabian Sea (21 spp.), and
the Central Indian Ocean (30 spp.) [61,74–76].

 

Figure 7. Comparison of the numbers of scleractinian corals recorded in different parts of India and
Sri Lanka in relation to the Jaffna Peninsula and its islands. Pink colouring indicates the location of
reef areas; the pink circle in the centre indicates the location of the present study areas at the northern
end of Sri Lanka) [24,62,75,77].
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Since the ability of corals to survive and recover after a bleaching event varies between
species, greater species richness may endow a habitat with greater community tolerance
and a greater ability to adapt to sea surface temperature changes [78–81]. At the same time,
species abundance and overall coral cover will also be influenced by natural environmental
factors such as wave action, salinity, exposure to light, and sediment loading [82]. In
the present study, thermally tolerant encrusting and massive coral growth forms such as
Porites, Favites, Goniastrea, and Dipsastraea were found to have survived to a greater extent
than branching species of the genera Acropora, Pocillopora, and Stylophora, which are more
susceptible to thermal events in many Indo-Pacific regions [78,79]. Nevertheless, large
colonies of tabulate and branching Acropora and tiered plates of Echinopora and Montipora
dominated the islands, while massive coral colonies dominated the northern coast. Similar
patterns of coral distribution have been described in earlier studies [24], with large domes
of stress-tolerant Dipsastraea, Favites, Goniastrea, Platygyra and Porites [79,80,83] occupying
shallow reef flats down to 6 m depth. Notably, there were only a few small colonies of
Pocillopora and Stylophora observed during the present study; this may result from their
susceptibility to past bleaching events.

Of the species recorded in the present study, three are listed as “vulnerable” by the In-
ternational Union for the Conservation of Nature (IUCN): Acropora aspera, Acropora specifera,
and Acropora hemprichii. These were found at the Punkudutivu, Kayts, and Karainagar
island sites, respectively. In addition, “threatened” species of Montipora flabellata, Turbinaria
frondens, Turbinaria stellulata, and a rare species of Astreopora ocellata were also recorded
during this study.

4.3. DNA Confirmation of Selected Coral Species

The genus Acropora, belonging to the family Acroporidae, is the most diverse and
widespread coral genus. The species show both enormous intraspecific morphological
variability and striking similarities between species within a geographical region, making
species identification a challenge [84]. Consequently, for several species whose growth
patterns and corallite arrangements appeared atypical, DNA barcoding was employed
in parallel with morphological analysis. Notably, A. aspera, A. digitifera, and A. gemmifera
were confirmed as present in Sri Lanka for the first time, although they have been widely
recorded elsewhere in the Indian Ocean. The mitochondrial COI gene sequence of each
species was found to have more than 99% similarity with the published genome sequences
(Table 5). Sample COJP001 has a 99.69% similarity with the genomic region of the A. aspera
and the morphological features also confirmed this identification (Table 5). Based on
the description provided by Veron [43], A. aspera is a branching species with scale-like
radial corallites. It is often confused with the similar species A. millepora; however, the
corymbose clumps of colonies with branches and the two various sizes of axial corallites
serve to differentiate A. aspera from A. millepora. Samples COJP002 and COJP004 were
matched to samples of A. gemmifera, with the closest similarity being to a Malaysian sample
MG383839.1 [49]. COJP003 from the Valithoondal site was confirmed as A. digitifera and
found to have the closest genetic relationship to a sample from the Egyptian coast of the
Red Sea, A. digitifera_KR401100.1 (Table 5) [50]. This species is widely distributed in the
Indian Ocean, Red Sea, and eastern Pacific Ocean [43] (Supplementary Table S2).

The colonies of M. flabellata, one of the world’s uncommon species, were recorded on
the Point Pedro reef front. They had an encrusting form, were blue and pinkish to brown in
colour, and had prominent thecal papillae covering the colony. Septa could not be observed,
making species separation from M. undata difficult. However, sequences from this species
had the closest match with reference sequences from the Hawaiian Islands, HQ246603.1 [53].
The sample COJP007, which was confirmed as being of Echinopora gemmacea, was found
only at Point Pedro and Inbarsitty. According to [43], E. gemmacea is an uncommon species.
This specimen has the closest kinship to E. gemmacea HE654561.1 from Yemen (Table 5) [52].

While the COI gene-based sequence relates to only a narrow portion of the genome,
nevertheless, as found by others, it proved invaluable in confirming species-level identifi-
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cation of specimens from difficult to identify genera [33,85]. Apart from any intraspecific
genetic variations, corals show a marked morphological plasticity that is considered to
be largely adaptive [30]; molecular genetic studies are allowing a better understanding of
this plasticity [86]. More generally, the use of DNA barcoding is enabling taxonomists to
overcome the pitfalls of morphology-based identification and classification. In the present
study, the use of barcoding has helped validate the finding of six scleractinian coral species
new to Sri Lanka.

In summary, the northern coast of Jaffna Peninsula has the highest live coral cover
among the regions of Sri Lanka; however, the reefs are prone to impacts from increasing
fishing pressure and environmental pollution. These new insights into the coral biodiver-
sity, distribution, and benthic biota of the coral reefs of the Jaffna Peninsula contribute
knowledge required for future conservation and management. The present study indicates
that the conservation of the coral reefs in Jaffna is critical, not only because of their direct
ecological and economic importance, but because they may provide a reservoir of different
coral species able to withstand the effects of future climate change.

Supplementary Materials: The following are available online at https://www.mdpi.com/article/10.3
390/oceans2030029/s1.
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Abstract: Ocean warming and acidification pose serious threats to cold-water corals (CWCs) and
the surrounding habitat. Yet, little is known about the role of natural short-term and seasonal en-
vironmental variability, which could be pivotal to determine the resilience of CWCs in a changing
environment. Here, we provide continuous observational data of the hydrodynamic regime (recorded
using two benthic landers) and point measurements of the carbonate and nutrient systems from five
Lophelia pertusa reefs in the Langenuen Fjord, southwestern Norway, from 2016 to 2017. In this fjord
setting, we found that over a tidal (<24 h) cycle during winter storms, the variability of measured
parameters at CWC depths was comparable to the intra-annual variability, demonstrating that single
point measurements are not sufficient for documenting (and monitoring) the biogeochemical condi-
tions at CWC sites. Due to seasonal and diurnal forcing, parts of the reefs experienced temperatures
up to 4 ◦C warmer (i.e., >12 ◦C) than the mean conditions and high CT concentrations of 20 μmol kg−1

over the suggested threshold for healthy CWC reefs (i.e., >2170 μmol kg−1). Combined with hindcast
measurements, our findings indicate that these shallow fjord reefs may act as an early hotspot for
ocean warming and acidification. We predict that corals in Langenuen will face seasonally high
temperatures (>18 ◦C) and hypoxic and corrosive conditions within this century. Therefore, these
fjord coral communities could forewarn us of the coming consequences of climate change on CWC
diversity and function.

Keywords: ocean acidification; ocean warming; carbonate chemistry dynamics; biogeochemical
dynamics; in situ monitoring; natural variability of environmental conditions; Lophelia pertusa

1. Introduction

Cold-water coral (CWC) reefs form complex habitats in the deep sea, supporting rich
associated fauna [1–4]. They play a major role in the circulation of organic carbon in the
deep sea [5,6]. The reefs are recognized as vulnerable marine ecosystems (VMEs) by the
United Nations [7] and as threatened and declining habitats by the OSPAR commission [8].
Warming and acidifying waters (i.e., decreasing pH and aragonite saturation state, ΩAr) are
predicted to pose imminent and serious threats to CWC reefs within the next decades [9,10].
Hence, there has been an intensified focus to assess the range of biogeochemical and
physical conditions tolerated by CWCs in situ [11–16] and in laboratory conditions [17–21].
Finally, a focus is on determining the baseline for optimal conditions for coral growth and
reef development [22]. However, there is very little data on the small-scale temporal and
spatial variability of biogeochemical and physical conditions in CWC settings, which could
be pivotal in understanding their resilience to climate change, as observed for tropical coral
reefs [23].

In the North Atlantic, CWC reefs are most commonly build by Lophelia pertusa (syn.
Desmophyllum pertusum [24]), with around a third of all known L. pertusa occurrences being
from Norwegian waters [25]. L. pertusa reefs are generally found on and around elevated
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bathymetric structures such as mounds, offshore banks, seamounts, and sills [26–30], where
relatively strong bottom flow associated with those structures enhances the flux of food
particles [22,31–33] and facilitates sediment removal from CWCs or the seafloor to provide
suitable settlement substrates for coral larvae [25,34]. While local hydrodynamics are
important in regulating the distribution of CWCs, water column characteristics such as
temperature, nutrient availability, carbonate chemistry (mainly aragonite saturation, ΩAr),
and oxygen levels [2,12,15,35] act as additional and strong drivers in regulating coral
growth. The latter two are vital in maintaining calcification and aerobic metabolism in
corals, while low-temperature regimes decelerate food decay (enhancing food availability)
and reduce metabolic energy demands [36].

Rising global ocean temperatures have been observed throughout the water column
since the 1960s [37]. In coastal Norway, rapid warming of the Norwegian coastal water
(NCW) and the North Atlantic water (NAW, SA < 35 g kg−1) in mid-layer waters has been
reported since the 1980s [38]. Ocean warming is expected to affect both the fitness and
the geographical distribution of many marine species in the coming decades. CWCs are
usually found in waters with temperatures <12 ◦C [13,29,39], but occasionally they thrive in
warmer waters of ~15 ◦C [15,40]. Even though CWCs can tolerate substantial fluctuations
in temperature [41,42], a rise of only 2 ◦C for a few hours will significantly increase its
energy demands [36,41], which could deplete energy stores if they are not met by increased
food availability and/or uptake rates [35]. Ocean warming can also indirectly affect CWCs
by changing primary production patterns [43] and reducing oxygen availability [44]. In
southwestern Norway, the reduction in oxygen concentration has been ~0.5 mL L−1 per
decade over the past 40 years in the fjord basin waters [45].

Long-term decreasing trends of pH and aragonite saturation have been observed in
the open ocean around the globe [46,47] as well as in coastal waters off Norway. Currently,
the aragonite saturation horizon (ASH, ΩAr < 1) of the Norwegian Sea is at ~2000 m depth.
At these depths, an annual decrease of 0.003 in ΩAr and 0.008 in pH has been observed
between 2007 and 2017 [48]. The observed decrease inside the fjords, where ΩAr is currently
>1 across the water column, is larger. A two-fold annual decrease of 0.007 in ΩAr and of 0.02
in pH compared to offshore and 2000 m depth has been observed at bottom water depths
of ~670 m in Korsfjorden south of Bergen between 2007 and 2017 [48]. Calcifying marine
organisms such as CWCs will be directly impacted by the shoaling of the ASH. Below
the ASH depth, mineral dissolution occurs, dissolving the exposed dead coral framework
that constitutes a major component of the reef, and waters are less favorable for skeletal
growth [29,49,50]. The skeleton of L. pertusa is based on aragonite, the most labile form of
calcium carbonate. Hence, the reefs are considered particularly susceptible to a decreasing
ΩAr. If current trends continue at unchanged rates, the ASH is estimated to reach the
surface by the year 2070 ± 10 in southwestern Norwegian fjords [51], while deeper waters
(>600 m) off Norway will become corrosive already within the next 20 years [48]. Most of
the Norwegian CWCs are observed in between these depths, so they are likely to experience
corrosive conditions in the next 20–50 years.

The seasonal changes in carbonate chemistry in high latitude surface waters are driven
by temperature, salinity, air-sea CO2 exchange, formation and decay of organic matter,
and advection and vertical mixing with deeper, carbon-rich coastal water [51]. In western
Norwegian fjords, the spring phytoplankton bloom yields maximum pH and reduced
dissolved inorganic carbon (CT) values. Seasonal ΩAr variations align with those of surface
temperature, both peaking in late summer. This seasonal forcing also affects the carbonate
chemistry at the depths of living CWCs (i.e., 80–250 m). Generally, the CT and carbon
dioxide (CO2) concentrations increase with depth. This is caused by enhanced respiration
and remineralization of organic matter, which also yield to decreased pH [48,52–55]. Apart
from Findlay et al. (2014) [53], who provided a high-resolution nutrient and carbonate
chemistry data over a tidal cycle showing the influence of local upwelling for Scottish
and Irish CWC reefs, very little data exist on diurnal variability and not least the seasonal
dynamics of carbonate chemistry for deep waters. At present, carbonate chemistry and
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nutrient data are primarily available from global data sets [56,57]. These are useful for
making large-scale habitat predictions [13,58], but they lack the fine-scale spatial and
temporal coverage that is required to understand the baseline of physicochemical dynamics
around CWC reefs that plays a key role in determining the resilience of CWC reefs to future
climate change.

This study investigated the natural variability of biogeochemical and physical con-
ditions at five CWC reefs located within a narrow fjord in western Norway. This was
achieved by collating water column measurements of carbonate chemistry and inorganic
nutrient parameters for multiple stations and timepoints over 1.5 years and combining
those with high temporal resolution data from two benthic observatories deployed at one
of the reefs. Comparisons of environmental data from reefs growing on vertical walls
with those growing on the fjord floor were used to elucidate the relative importance of
topography-flow interaction and biogeochemical conditions for CWC occurrences.

2. Materials and Methods

2.1. Study Site

The Langenuen Fjord in southwestern Norway, south of Bergen (Figure 1), is a 35 km
long north-south trending water passage connecting the Korsfjorden with the Hardan-
gerfjord. The system opens up to the Atlantic through Korsfjorden at its northern edge,
through Selbjørnsfjorden in the central parts, and through Bømlafjorden at its southern
end. Langenuen is ~300 m deep. The deepest point measures 568 m and is located in the
northern portion between the islands of Huftarøy and Reksteren. The average width of the
fjord is 2.9 km in the northern section and 1.7 km in the southern section. The fjord acts
as an ocean water inlet to the Hardangerfjord [59]. It hosts several L. pertusa-dominated
CWC reefs on the eastern side of the fjord, at depths between 80 and 240 m [60,61]. This
study concentrates on five of them in two different settings: corals covering an elevated
topographic feature on the fjord bottom here called “bank reef” and corals living on steep
walls or cliffs, “wall reefs”. The two bank reefs are Nakken (NK, 59.830◦ N, 5.550◦ E) and
the northernmost site Bekkjarvik (BV, 59.983◦ N, 5.276◦ E). The southernmost site Huglham-
maren near the main sill of the Hardangerfjord (HH, 59.815◦ N, 5.590◦ E), Straumsneset
(SN, 59.941◦ N, 5.467◦ E), and Hornaneset (HN, 59.890◦ N, 5.539◦ E) are wall reefs on the
near-vertical fjord wall. Sites NK and SN are previously described by Fosså et al. (2015) [60].

2.2. Water Column Measurements

Water samples were taken at several depths using a 12-bottle Niskin rosette (Ro)
system. For water column hydrography profiling, an instrument measuring in situ conduc-
tivity, temperature, and pressure (CTD) attached to the water sampling system was used.
A total of 12 CTD and 52 CTD/Ro (CTD/rosette water sampling) casts were carried out
across the CWC sites (HH, NK, HN, SN, BK). Measurements were taken during six cruises
between February 2016 and August 2017, onboard RV Håkon Mosby, RV Kristine Bonnevie,
RV H. Brattström, and MS Periphylla (Table 1). In October 2016 and January 2017, wa-
ter sampling was performed over a tidal cycle at HH (26-h) and NK (16-h), respectively.
On other sites and times, water sampling was performed a maximum of once per site
(Table 1). Data collected in October 2016 and August 2017 have been reported earlier in
Skjelvan et al. (2016) [62] and Jones et al. (2018) [48], respectively.
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Figure 1. The map of (A) Langenuen on coastal Norway (white polygon) and Utsira coastal station
(red dot), (B) CWC sites in Langenuen Fjord: bank reef Bekkjarvik (BV), live corals at depths 200–210,
wall reef Straumsneset (SN), live corals at depths 80–220 m, wall reef Hornaneset (HN), live corals at
depths 220–240 m, bank reef Nakken (NK), live corals at depths 190–220 m (white polygon) and wall
reef Huglhammaren (HH), live corals at depths 80–220 m and (C) the Nakken reef area with lander
deployment locations ~125 m apart from each other shown with stars. MLM = lander deployed on
the CWC bank, SLM = lander deployed south of the CWC bank.

Table 1. Summary of cruises, visited locations, and measurements between February 2016 and August 2017. Abbreviations;
HM = Håkon Mosby, KB = Kristine Bonnevie, NK = Nakken, HH = Huglhammaren, HN = Hornaneset, SN = Straumsneset,
BK = Bekkjarvik. C = carbonate chemistry (AT and CT) samples, N = nutrient samples, I = isotope samples.

Cruise Num of Stations Date
Sites and Taken Water

Samples
Remark

HM2016603 9 16–17 February2016 NKC CTD with oxygen

HM2016625 9 9–13 May 2016 NKC,N,I, HHC,N,I
, HNC,N,I,

SNC,N,I Lander deployments

2016982 18 20–21 October 2016 NKC, HHC, HNC, SNC, BKC CTD with fluorescence and
turbidity

KB2017601 14 2–4 January 2017 NKC,N,I, HHC,N,I,
HNC,N, SNC,N, BKC,N

CTD with oxygen and
fluorescence
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Table 1. Cont.

Cruise Num of Stations Date
Sites and Taken Water

Samples
Remark

KB2017609 11 17–24 April 2017 NKC,N,I, HHC,N, HNC,N,
SNC,N

Lander recoveries, CTD with
oxygen and fluorescence

2017955 3 15–17 August 2017 HHC, HNC, SNC

Processing of the raw CTD data was performed using the software package SBE Data
Processing[63]. The wall reefs (HH, HN, and SN) were investigated above, below, and at
the respective depths of living L. pertusa corals. At the bank reefs (NK and BV), samples
were taken at the surface, at intermediate depths (at 80 or 100 m and at 150 m), and at ~5 m
above the reef.

2.3. Benthic Landers

Two seafloor monitoring lander systems were deployed at NK bank reef to study the
topographical effect of the bank on the flow between May 2016 and April 2017. One of the
landers (SLM) was deployed south of the CWC bank at 63.608◦ N 9.383◦ E at 211 m water
depth, while the other one (MLM) was deployed on the CWC bank at 63.609◦N 9.382◦ E at
196 m water depth, ~125 m apart from each other (Figure 1C). Both landers were equipped
with an Acoustic Doppler Current Profiler (ADCP, Teledyne RD Instruments) to measure
water column flow speed and direction at 6-min intervals in between 3 to 30 m above the
sea floor (with SLM) and from 5 m above the sea floor upward to the surface (with MLM).
The landers were also equipped with a CTD system (SeaBird Electronics) combined with
sensors to monitor dissolved oxygen, turbidity, fluorescence, and pH. Sampling intervals
were set to 10 or 30 min. Processing of the raw CTD data was performed using the software
package SBE Data Processing [63] and the raw ADCP data with the RDADCP Matlab
package [64]. The accuracy and sensitivity of these instruments are shown in Table 2.

Table 2. Instrumentation details and metadata for landers deployed at Nakken bank reef area. Abbreviations: WD:
water depth.

SLM MLM

Deployment information

Deployment location Off CWC bank
63.608◦ N 9.383◦ E

On CWC bank
63.609◦ N 9.382◦ E

Deployment depth (m) 211 196

Instrumentation
(sampling frequency)

ADCP (6 min) RDI Workhorse sentinel 600 kHz RDI Workhorse sentinel 300 kHz
velocity accuracy and resolution 0.30% 0.50%

CTD (30 min) SBE16+ SBE16+
accuracy/resolution ±0.005/0.0001 ◦C, ±0.5/0.05 mS m−1, ± 0.1/0.002% WD−1

Fluorometer and
turbidity (30 min) FLNTU(RT)D FLNTU(RT)D

range/sensitivity 0.1–50 μg L−1/0.01 μg L−1, 0.01–25 NTU/0.01 NTU
Oxygen (10 min) Optode Optode

accuracy/resolution <2 μM/<0.1 μM <2 μM/<0.1 μM
Additional sensors SBE 27 pH SBE 27 pH, OIS-camera
pH accuracy/range ±0.1 pH/0–14 pH ±0.1 pH/0–14 pH

Unfortunately, the lander on the NK CWC bank (MLM) tilted due to high flow
velocities in mid-August. This resulted in a separation of the bottom weight and the
buoyancy compartment that includes all sensors. Thus, the sensor head was released and
floated upwards to ~100 m water depth after 3.5 months deployment time in mid-August,
where it continued to measure all parameters. The SLM remained at deployment depth
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until its recovery in April 2017. ADCP, CTD, oxygen, and SLM turbidity sensors provided
reliable time-series data. pH and fluorescence sensors malfunctioned. The conductivity
sensor had an instrumental drift that amounted to −0.5 g kg−1 over the deployment
period. This drift has been taken into account when the hydrographic variables (Θ, SA, σΘ)
were calculated.

2.4. Analysis of Carbonate Chemistry and Inorganic Nutrients

Seawater was collected from the CTD/Ro system for the determination of dissolved
inorganic carbon (CT) and total alkalinity (AT) into borosilicate glass bottles (250 mL) with
ground glass stoppers. The samples (n = 190) were preserved with 0.05 mL of saturated
solution of mercuric chloride (HgCl2) and stored refrigerated and dark until post-cruise
analysis. Samples (n = 93) for the determination of nutrients and ammonia were collected
directly after the samples had been taken for the AT and CT. For nutrient analysis, 20 mL of
water was collected in polyethylene scintillation vials, preserved with 0.2 mL chloroform,
and kept refrigerated (4 ◦C) until analysis occurred within a few weeks after sample
collection. For ammonium analysis, waters were collected in the same type of vials and
kept frozen (−20 ◦C) without preservatives until analysis.

AT and CT were measured at the IMR’s CO2 Laboratory following standard proce-
dures [48,62,65]. The remaining carbonate system parameters (pH in total scale pHT, partial
CO2 pressure pCO2, aragonite saturation ΩAr and calcite saturation ΩCa) were calculated
from AT and CT with the program CO2SYS [66] using the thermodynamic constants from
Mehrbach et al. (1973) [67] and KSO4 from Dickson (1990) [68], and refitted by Dickson
and Millero (1987) [69] on the total scale. The concentrations of silicate and phosphate were
set to zero during the calculations, and the errors introduced by this simplification were
negligible compared to uncertainties from other sources.

Inorganic nutrient analyses were carried out at IMR’s Chemical Laboratory using an
Alpkem Flow Solution IV autoanalyzer (RFA methodology) for the colorimetric determina-
tion of inorganic nutrients: nitrite (NO2

−), nitrate (NO3
−) [70,71], phosphate (PO4

3−) [72]
and silicate (SiO4

4) [72]. Nitrate concentrations were calculated by subtracting the nitrite
from combined nitrate + nitrite concentration. Ammonium (NH4

+) was measured fluoro-
metrically using an excitation/emission filter combination with an Alpkem Flow Solution
IV autoanalyzer [73,74].

2.5. Analysis of Stable Isotopes

For the carbon (δ13C) and oxygen (δ18O) stable isotope analysis, water samples (n = 37)
were collected in 100 mL glass vials and treated with HgCl2 to prohibit biological activity.
The samples were stored in a cool, dark place until measurements were carried out at the
isotope laboratory at the Friedrich-Alexander University Erlangen-Nürnberg. Samples
were analyzed through a standard procedure with an isotope-ratio-mass spectrometer (Gas-
bench 2; Thermo Fisher Scientific, Bremen, Germany), corrected to instrumental drift, and
normalized to the VPDB (Vienna Pee Dee Belemnite) or to the VSMOW/SLAP (Vienna Stan-
dard Mean Ocean Water/Standard Light Antarctic Precipitation) scale, respectively [75].
An acid treatment on a Gasbench was used for carbonate stable isotope analyses. The pre-
cision of the control sample was better than 0.1‰ (1 sigma) for δ13C and better than 0.05‰
(±1 sigma) for δ18O. Oxygen samples were not corrected for the isotope salt effect as this
effect has been reported to be neglectable for seawater consisting mainly of NaCl [76,77].

2.6. Data Analysis of Hydrography and Flow

Data visualization and CTD and ADCP data conversions were performed with Matlab
R2018a. For subsequent data analysis, the raw CTD and ADCP data were converted.
CTD variables were converted according to TEOS-10 standard with GSW Oceanographic
Toolbox to absolute salinity (SA), conservative temperature (Θ), potential density (ρΘ)
and potential density anomaly (σΘ), i.e., sigma-theta values [78,79]. The water column
stratification was estimated from CTD casts with Brunt–Väisälä, or buoyancy, frequency
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N2 = g2ρΘ
−1ΔρΘΔz−1 [79], where g is the gravitational acceleration and z is the depth.

The flow measurements were corrected for the local magnetic declination based on Inter-
national Geomagnetic Reference Field, IGRF-11 model data [80]. To estimate the mean
flow direction, the horizontal velocity components (eastward, ue, and northward, un) were
rotated using variance ellipses from the jlab data analysis toolbox [81]. Accordingly, the
mean direction velocity components (um) are in the direction of the most energetic fluc-
tuations, while components perpendicular are interpreted as cross-flow (uc). The vertical
velocity component, uw, was not altered. The tidal frequencies, ω, and their amplitudes,
a, were analyzed with the harmonic analysis toolbox T_Tide [82]. The tidal signals were
analyzed by using bottom pressure and horizontal velocity fields at 3 (SLM) and 5 (MLM)
meters above the sea floor. Only signals with a signal-to-noise ratio >2 were considered to
be significant.

The health statuses of the five included reefs were estimated using the known spatial
extent of the reefs combined with data on density and vertical height of living coral
colonies [15,22]. The flow state based on topography-flow interaction at the Nakken bank
reef was determined following methods described in [22].

3. Results

3.1. Cold-Water Coral Occurrences

The shallowest reefs in the study area are HH and SN, where framework-building
scleractinian corals L. pertusa and Madrepora oculata are observed at depths of 100–200 m and
80–220 m, respectively. At Straumsneset, the densest coral cover is recorded between 130
and 180 m depth. The maximum continuous L. pertusa cover (length < 6.5 m, width < 3.2 m,
colony height < 1.2 m) is larger than maximum continuous M. oculata cover (length < 2.5 m,
width < 0.2 m, colony height < 0.5 m, with 0.2–0.3 m dead coral skeleton). The deepest
L. pertusa colonies are found at HN, where they live at depths between 220 and 240 m. At
NK and BV bank reefs, scattered L. pertusa patches live at 190–220 m and 200–210 m depths,
respectively. At Nakken, patches have heights of 1–2 m and diameters < 4 m. The bank
is ~200 m wide. All sites have rich communities of associated megafauna, including the
bivalve Acesta excavata, sponges Geodia sp. and Mycale lingua, and octocorals Paragorgea
arborea, Primnoa resedaeformis, Paramuricea placomus, and Anthothela grandiflora. Based on
coral coverage, spatial extent, and the proportion of living to dead corals, Langenuen CWC
reefs are all in health category II [22], with deeper bank reefs NK and BV and wall reef HN
having more coral rubble and dead coral framework than shallow wall reefs HH and SN.

3.2. Hydrography
3.2.1. Water Column Hydrography

Waters in Langenuen consisted of seasonally forced surface waters down to ~100 m.
The Norwegian coastal water (NCW) and the North Atlantic water (NAW, SA > 35 g kg−1)
were present beneath the surface waters (Figure 2). The temperature at water depths above
the CWC reefs (<80 m) ranged between 5.3 and 16.3 ◦C with the cool temperatures (<8 ◦C)
recorded in winter (January 2017 and February 2016) and spring (April 2017 and May 2016)
and the warm (>9 ◦C) temperatures observed in autumn (August 2017 and October 2016).
Waters with temperatures >12 ◦C reached the depths of the uppermost corals (>80 m) at the
three southernmost sites (HH, NK, and HN) in October 2016. The thermocline depth varied
from 30 m in April 2017 to 100 m in October 2016. Beneath 80 m, the annual temperature
range was between 7.5 and 12.2 ◦C, with a mean temperature of ~8 ◦C at CWCs living
depths. Opposite to the surface waters, the cool bottom water temperatures (<7.8 ◦C, at
depths >200 m) were measured in May 2016, August 2017, and October 2016, while the
warm bottom temperatures (>8 ◦C, at depths >200 m) were recorded in January 2017,
February 2016, and April 2017 (Figure 2, Table 3).
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Figure 2. Depth profiles (y-axes) of hydrographic water properties at depths 50–250 m of
the Langenuen Fjord: (first row) winter (February 2016 and January 2017), (second row)
spring (April 2017 and May 2016), and (third row) autumn (August 2017 and October
2016), for (first column) temperature, (second column) salinity with 35 g kg−1 marked,
(third column) stratification, (fourth column) oxygen, (fifth column) fluorescence, and
(sixth column) turbidity. The shaded area covers the range (min, max) of the variable for
the station (HH—blue, NK—gray, HN—green, SN—orange, BV—purple) over the cruises
and the solid (for year 2017 cruises) or the dashed (for year 2016 cruises) line shows the
median value. The dashed horizontal lines represent the definition for CWC living depths
(80–240 m).

Table 3. The range (min–max) of environmental conditions at the surface (10–80 m), at CWC walls at 80–220 m (sites HH
and SN), and at CWC banks at 190–220 m (sites NK and BV) for winter (January 2017 and February 2016), spring (April 2017
and May 2016) and late summer and autumn (August 2017 and October 2016). Measured values include temperature,
salinity, sigma-theta, buoyancy, oxygen, total alkalinity, dissolved organic carbon, nitrate, phosphate, silicate, stable isotopes,
monthly mean speed, monthly maximum speed, southward direction, and monthly mean flow direction. Also shown
are calculated values for in situ pHT (total scale), pCO2, and saturation states of aragonite and calcite. These parameters
were calculated using CO2SYS [66]. For flow measurements, columns show periods of December 2016–February 2017,
March 2017–April 2017 and May 2016, June 2016–August 2016/September 2016–November 2016. * Flow data only from 180
to 200 m depth.

Surface (10–80 m) Wall Bank

Winter Spring Autumn Winter Spring Autumn Winter Spring Autumn

Temperature,
Θ (◦C) 5.31–8.96 6.66–10.63 8.30–16.2 7.92–8.82 7.72–8.08 7.51–12.2 7.88–8.35 7.72–8.01 7.53–7.74

Salinity,
SA (g kg−1) 29.33–34.89 29.69–35.00 26.58–34.78 34.45–35.23 34.86–35.33 33.93–35.39 35.03–35.28 35.19–35.34 35.2–35.34

Sigma-theta,
σΘ (kg m−3) 23.81–26.88 22.69–27.15 19.33–26.47 26.62–27.3 27.03–27.44 25.66–27.48 27.17–27.35 27.29–27.45 27.35–27.5
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Table 3. Cont.

Surface (10–80 m) Wall Bank

Winter Spring Autumn Winter Spring Autumn Winter Spring Autumn

Buoyancy,
N (10−3 s−1) <54.1 <55.5 <79.2 <12.76 <9.83 <32.18 <9.24 <8.17 <35.55

Oxygen,
O2 (mL L−1) 5.3–6.43 5.04–7.11 4.96–5.77 5.41–5.81 5.07–5.56 5.51–5.75

AT,
(μmol kg−1) 2127–2308 2201–2312 1948–2286 2318–2330 2310–2324 2300–2328 2317–2343 2319–2328 2329–2337

CT,
(μmol kg−1) 1992–2132 2016–2149 1795–2286 2136–2167 2140–2183 2159–2187 2135–2192 2160–2175 2175–2176

pHT, (–) 7.979–8.084 7.989–8.15 8.003–8.078 7.999–8.063 7.951–8.053 7.944–7.985 7.96–8.081 7.968–8.014 8.001–8.018
pCO2,

(μatm) 359.7–443.6 293.2–452.4 346.3–440.1 374.1–438.7 386.5–497.7 456.2–500.8 356.4–485.6 423.6–476.6 421.5–505.8

ΩAr, (–) 1.41–2.06 1.56–2.03 1.74–2.28 1.71–1.98 1.53–1.91 1.50–1.68 1.56–2.01 1.59–1.74 1.68–1.76
ΩCa, (–) 2.24–3.24 2.48–3.23 2.75–3.56 2.70–3.12 2.41–3.00 2.36–2.64 2.46–3.16 2.50–2.74 2.65–2.76
Nitrate,
NO3

−
(μmol L−1)

5.75–6.82 1.54–10.08 8.64–11.61 9.92–10.83 10.49–11.37 10.4–11.03

Phosphate,
PO4

3−
(μmol L−1)

0.33–0.52 0.22–0.80 0.67–0.96 0.68–0.89 0.76–0.89 0.69–0.77

Silicate,
SiO4

4−
(μmol L−1)

2.02–3.42 1.60–5.52 4.37–6.92 4.64–6.00 5.15–6.00 4.86–5.46

δ13C, (‰) 0.27–0.52 0.32–0.48 0.32–0.43 0.43–0.52
δ18O, (‰) 0.21–0.42 0.28–0.45 0.36–0.41 0.36–0.44
Flow mean

(cm s−1) 77.8–205.0 22.5–63.0/– 16.0–21.9 * 10.7–79.8 11.6–27.2/
16.0–24.9 * 14.6–21.9 18.2–23.1 12.7–17.8/

15.5–24.1
Flow max
(cm s−1) 247–529 61.9–316/– 58.1–66.0* 36.1–309 28.7–215/

57.8–67.1 * 47.8–63.1 35.4–57.6 38.2–54.6/
47.9–65.0

Flow
southward

(%)
78–100 0–100 30–71 * 46–89 27–84/

52–65* 30–77 68–97 33–74/
54–67

Flow dir (◦) 6–176 0–174 159–165 * 158–180 158–180/
158–165 * 153–162 153–161 153–160/

152–162

Above 80 m, salinity varied from <30 g kg−1 at the surface (<20 m) to close to 35 g kg−1

at depths ~80 m. The halocline depth varied from 20 to 60 m (not shown) except in
February 2016, when the water column was well mixed (Figure 2). The 35 g kg−1 isohaline
depth (indicating North Atlantic water) varied from 220 m at the HH reef located south
of the Langenuen in August 2017 to 75 m at the SN in April 2017. At the depths where
CWCs occur, the salinity varied from <34.5 g kg−1 at wall settings at depths 80–110 in
February 2016 and in autumn to >35.3 g kg−1 at depths >180 m in May 2016 and at
depths >140 m in August 2017 (Figure 2, Table 3). In general, the northern sites were saltier
than the southern sites indicating the NAW route from Korsfjord and fresh water output
from Hardangerfjord. The surface layer (<80 m) was well stratified (N > 7 × 103 s−1)
throughout the year. The strongest stratification occurred in May and August 2017 and
in October 2016. Beneath 80 m, stratification varied from 0.2 to 20 × 103 s−1 (Figure 2)
without a clear seasonal or latitudinal signal. The waters at the CWC living depths were
less dense at shallower wall reefs (HH, SN) than deeper bank and wall settings (NK, BV,
HN) (Table 3). Sigma-theta values >27.35 kg m−3 were measured at all sites in May 2016,
August 2017, and October 2016 (Table 3). Across the water column and seasons, dissolved
oxygen ranged from 4.96 to 7.11 mL L−1. In winter (January 2017 and February 2016),
oxygen decreased with depth, and in April 2017, oxygen increased from 50 to 100 m and
was well mixed beneath 100 m (Figure 2). At CWC living depths, oxygen ranged from
4.96 to 5.81 mL L−1. Fluorescence reached values >1 mg m−3 in the uppermost 20 m in
April 2017 and in October 2016 (not shown). Beneath 50 m, the fluorescence values were
<0.05 mg m−3 (Figure 2). In October 2016, turbidity reached values >1 NTU at the surface
and at the bottom. The mean turbidity through the water column was ~0.2 NTU (Figure 2).

3.2.2. Bottom Water Hydrography

The annual bottom temperature at Nakken bank reef ranged from 7.4 to 8.3 ◦C, with a
mean temperature of 7.8 ◦C. This included two distinct phases: cool temperatures (<7.8 ◦C)
observed from May to mid-November and warm temperatures (>7.8 ◦C) measured from
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late November to April (Figure 3), indicating heat dissipation from the surface during
autumn and water column mixing in spring. March was the warmest month. September
and October were the coolest months (Figures 3 and 4). Bottom water salinity varied
between 35.00 and 35.34 g kg−1 with the lowest salinities (<35.2 g kg−1) observed in autumn
and winter, and the highest salinities observed in late spring, indicating the water source
variability between North Atlantic water (SA > 35 g kg−1)-dominated and Norwegian
coastal water-dominated waters. The salinities measured by MLM were ~0.05 g kg−1

higher than those measured by SLM (Figure 3) during the time both landers were at the sea
bed, whereas measured temperatures were similar. Relatively high sigma-theta (density)
values of >27.35 kg m−3 were measured from May until October (Figure 3). Bottom water
oxygen values varied from 6.58 to 6.68 mL L−1, with the highest values in October and
lowest values in January (Figure 4) following temperature variations. Turbidity values
reached up to 1.5 NTU between July and August. Turbidity values dropped in October
to around 0.15 NTU. They remained low (<0.15 NTU) with few turbid events (>0.2 NTU)
until the end of the deployment (Figure 4).

Figure 3. Bottom water Θ, SA-values at Nakken bank reef. Months are color coded. The larger circles (SLM) and squares
(MLM) mark the monthly median values, and stars show the cruise CTD cast median values for 205–215 m depth.
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Figure 4. Nakken bottom water (~210 m) characteristics for (A) temperature, (B) oxygen, (C) turbidity, (D) daily mean
horizontal flow velocity (up northward and down southward flow) at Nakken, and (E) daily maximum wind speed from
Utsira coastal station based on data from MET Norway. The prevailing wind directions are marked with green (northerly
from NW (315◦) to NE (45◦)) and yellow (southerly from SE (135◦) to SW (225◦)). The thicker line (in three first rows) shows
the 1-d running mean.

3.3. Carbonate Chemistry in the Water Column

Concentrations of dissolved inorganic carbon (CT) and total alkalinity (AT) increased
with depth at all sites and times. Below 50 m (Figure 5), the variability between the
sites was largest in winter (February 2016 and January 2017) and smallest in autumn
(August 2016 and October 2017). Variability was higher at 200 m than at intermedi-
ate depths of 100–150 m. Relatively low surface values (AT < 2100 μmol kg−1 and
CT < 2000 μmol kg−1) occurred in autumn (August 2017 and October 2016) (Table 3).
Both the lowest (CT = 2135 μmol kg−1) and the highest (CT = 2192 μmol kg−1) CT values at
CWC living depths were measured at the NK bank reef at 200 m depth during the 16 h
sampling period in January 2017. The highest AT value (2343 μmol kg−1) was also mea-
sured during the same period and place. The lowest AT of 2300 μmol kg−1 was measured
at HH wall reef at 200 m depth in August 2017. In general, the northernmost sites (BV and
SN) had higher AT in autumn and higher CT in winter and autumn at 200 m depth than
sites farther north, but short-term variability recorded over tidal cycle at a single location
(HH or NK) was larger than this between sites difference.

pHT ranged from 7.94 to 8.08 throughout the water column over the study period
(Figure 5, Table 3). Low values (<7.98) were measured at depths >140 m at BV bank reef
and at depths >100 m at NK bank reef in winter (January 2017 and February 2016), at
~80 m depth at wall reefs HH and SN in May 2016, at ~200 m depth at HH and NK in
April 2017 and at depths >100 m at all sites except BV in autumn with a minimum at
150 m depth. High values of >8.03 were measured at the surface (<40 m) at all sites and
times (Table 3). Below 80 m, high values (>8.03) were measured at HH at ~100 m and at
NK at ~ 200 m depth in winter (January 2017 and February 2016) and in April 2017. The
pCO2 ranged from 293 to 452 μatm above 80 m. Beneath 80 m, it ranged from 356 μatm
at ~200 m at NK in January 2017 to 506 μatm at ~200 m at HH in October 2016 (Figure 5,
Table 3). Above 80 m, ΩAr ranged from 1.41 at NK in January 2017 to 2.28 at NK in
August 2017, and below 80 m, it ranged from 1.50 at ~200 m at HH in October 2016 to
2.00 at ~200 m at NK in January 2017. ΩAr and ΩCa had maxima at the surface in autumn
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(August 2017 and October 2016) (ΩAr > 2.1 and ΩCa > 3.3). The low (ΩAr < 1.59) aragonite
saturation levels were measured at 150–200 m depths at wall reefs (HH, SN, HN) in autumn
(August 2017 and October 2016), at ~200 m at HH in April 2017, and at depths >140 m at
BV in January 2017 (Figure 5, Table 3).

Figure 5. Depth profiles (y-axes) of carbonate chemistry at depths 50–250 m of the Langenuen Fjord: (first row) winter
(February 2016 and January 2017), (second row) spring (April 2017 and May 2016), and (third row) autumn (August 2017
and October 2016), for (first column) total alkalinity, AT, (second column) total inorganic carbon, CT, with 2070 μmol kg−1

marked, (third column) pHT, (fourth column) partial CO2 pressure, pCO2, and (fifth column) aragonite saturation, ΩAr.
The errorbars show the range of the variable (min, max) for cruises with multiple CTD cast samples at one station, and the
marker shows the median for the station (HH—blue, NK—gray, HN—green, SN—orange, BV—purple) over the cruises.
The 2016 measured values are shown with asterisks (*) and 2017 with circles (o). The dashed line represents the definition
for depths of the living CWCs (80–240 m).

Carbonate chemistry sampling was performed over several hours at two stations at
two different times: At wall reef HH (corals at depths 80–220) in October 2016 and at bank
reef NK (corals at depths 190–220) in January 2017. During a 26 h sampling period at
200 m depth at the HH wall reef in October 2016, Θ and SA were relatively stable with
ranges of ΔΘ = 0.14 ◦C and ΔSA = 0.11 g kg−1 (Figure 6). Over the sampling period, the
carbonate system parameters changed by: ΔAT = 10 μmol kg−1, ΔCT = 10 μmol kg−1,
ΔpHT = 0.032, ΔpCO2 = 45 μatm, ΔΩAr = 0.12, and ΔΩCa = 0.19. This is comparable to
the seasonal variability between winter and summer from single measurements at HH at
this depth ΔAT = 11 μmol kg−1, ΔCT = 34 μmol kg−1, ΔpHT = 0.112, ΔpCO2 = 123.6 μatm
and ΔΩAr = 0.4 (Figure 6). The flow direction at nearby Nakken reef was southward with
speeds between 4 and 43 cm s−1.
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Figure 6. Short time series (x-axes) of carbonate system fluctuations on 20–21 October 2016 at
Huglhammaren wall reef (left panels) and on 3–4 January 2017 at Nakken bank reef (right panels) at
200 m depth for (first row) temperature, Θ (o) and salinity, SA (*), (second row) total alkalinity, AT (o)
and total inorganic carbon, CT (*), (third row) pHT (o) and partial CO2 pressure, pCO2 (*), (fourth
row) aragonite saturation, ΩAr (o) and calcite saturation, ΩCa (*), and (fifth row) 1 h running mean of
the horizontal flow at 200 m depth from SLM lander at NK bank reef, U with southward (solid line),
and northward (dashed line) flow.

Short-term temporal variability of carbonate parameters at Nakken bank reef in
January 2017 was larger than the short-term variability at Huglhammaren in October 2016.
During this sampling period of 16 h, Θ and SA at 200 m varied from warm (Θ >8 ◦C)
and less saline (SA < 35.23 g kg−1) conditions to cool and saltier conditions and back.
The overall ranges were ΔΘ = 0.32 ◦C and ΔSA = 0.05 g kg−1 (Figure 6). The carbonate
chemistry followed the changes in flow direction with high CT and low AT values observed
with northward flow (=warm and fresh phase). The highest AT value (2343 μmol kg−1) was
also measured during northward flow conditions. Over the sampling period, the carbonate
system parameters showed large ranges of: ΔAT = 26 μmol kg−1, ΔCT = 57 μmol kg−1,
ΔpHT = 0.11, ΔpCO2 = 118 μatm, ΔΩAr = 0.41, and ΔΩCa = 0.64. This is larger than the
seasonal variability between spring and summer from single measurements at NK at this
depth ΔAT = 10 μmol kg−1, ΔCT = 41 μmol kg−1, ΔpHT = 0.04, ΔpCO2 = 47.6 μatm, and
ΔΩAr = 0.14 (Figure 6).

3.4. Inorganic Nutrients in the Water Column

Within the uppermost 80 m, nitrite (NO2
−) and ammonium (NH4

+) concentrations
ranged from 0.064 to 0.175 μmol L−1 and from 0.075 to 1.04 μmol L−1, respectively, with the
highest concentrations measured in May 2016 (not shown). Below 80 m, their concentrations
were too low (<0.06 μmol L−1) for reliable measurements.

Nitrate (NO3
−), phosphate (PO4

3−), and silicate (SiO4
4−) concentrations all increased

with depth in January 2017. In spring (May 2016 and April 2017), the concentrations
were mixed beneath 80 m (Table 3, Figure 7). In January 2017 and April 2017, nutrient
concentrations were higher at the southernmost (HH and NK) sites at depths >100 m than
at sites farther north. In January 2017, the surface (<40 m) nutrient concentrations (<6.65,
<0.51, and <3.26 μmol L−1) were higher than during spring (May 2016 and April 2017)
(<5.13, <0.4, and <2.68 μmol L−1) (Table 3). Beneath 80 m, both the highest and the lowest
nutrient concentrations were measured in January 2017. The highest concentrations were
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measured at ~200 m depth at HH and the lowest at ~100 m depth at BV, HH, and NK. At
CWC living depths, nutrient concentrations at the shallow wall (HH and SN) and deeper
bank (NK and BV) reefs were on average for NO3

− ~10.34 and ~10.80 μmol L−1, for PO4
3−

~0.78 and ~0.77 μmol L−1, and for SiO4
4− ~5.48 and ~5.41 μmol L−1, respectively (Table 3).

Figure 7. Depth profiles (y-axes) of biogeochemical water properties at depths 50–250 m of the Langenuen Fjord: (first row)
January 2017, (second row) April 2017 and May 2016, for (first column) nitrate, NO3

−, (second column) phosphate, PO4
3−,

(third column) silicate, SiO4
4−, (fourth column) carbon isotope, δ13C, (fifth column) oxygen isotope, δ18O. The errorbars

show the range of the variable (min, max) for cruises with multiple CTD cast samples from one site, and the marker shows
the median for the site (HH—blue, NK—gray, HN—green, SN—orange, BV—purple) over the cruises. The 2016 measured
values are shown with asterisks (*) and 2017 with circles (o). The dashed horizontal lines represent the definition for depths
of the living CWCs (80–240 m).

At Nakken, CTD data and nutrient samples were collected from 100 to 200 m depth
every three hours for 16 h between January 3–4, 2017 (Figure 8). The hydrographic range
at 200 m is presented in Section 3.3. At 100 m depth, the variation patterns in Θ and SA
differed from 200 m. They varied from cool (Θ < 8.7 ◦C) and saltier (SA > 34.9 g kg−1)
conditions to warm and less saline and back. The overall ranges were ΔΘ = 0.14 ◦C and
ΔSA = 0.10 g kg−1 (Figure 8). The range of concentrations at 200 m and 100 m depth
over the sampling period reached ΔNO3

− 0.88 and 0.73 μmol L−1, for ΔPO4
3− 0.09 and

0.13 μmol L−1, and for ΔSiO4
4− 0.84 and 0.32 μmol L−1, respectively. As for the carbonate

system parameters, the change from low nutrient concentrations and low-temperature
conditions to higher nutrient concentrations and warmer temperatures at 200 m depth
coincided with flow velocity shift from strong southward velocity to low northward velocity
(Figures 6 and 8).
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Figure 8. Short time series (x-axes) of inorganic nutrient fluctuations on 3–4 January 2017 at Nakken
bank reef at 200 m (solid line) and 100 m (dashed line) depth for (first row) temperature, Θ (o) and
salinity, SA (*), (second row) nitrate, NO3

−, (third row) phosphate, PO4
3−, and (fourth row) silicate, SiO4

4−.

3.5. Stable Isotopes

The distribution of δ13C within the water column varied between the different sam-
pling times (Figure 7). In January 2017, δ13C decreased with depth. In April 2017, the water
column was well mixed with respect to δ13C, and in May 2016, δ13C increased with depth.
The δ13C value was generally higher at bank reefs (0.41‰ ± 0.06‰, depths 190–220 m)
than at shallower wall reefs (0.37‰ ± 0.07‰, depths 80–220 m) (Table 3). δ18O increased
with depth and had similar ranges for all sampling times. Therefore, δ18O was higher at
bank reefs (0.39‰ ± 0.03‰) than at shallower wall reefs (0.34‰ ± 0.06‰) (Table 3). In
May 2016, when samples were taken from most of the sites, δ18O had the largest range
at ~150 m depth of Δδ18O = 0.12 ‰ (Figure 7). With a relatively low sample size (n = 37),
these results are preliminary and only provide us the first look at the distribution of stable
isotopes in Langenuen. Thus, these results have to be confirmed by future research.

3.6. Current Measurements
3.6.1. Flow Regime

The flow below 180 m was strong (mean 18 cm s−1, max 60 cm s−1) with a semidiurnal
tidal component (Figures 4 and 9, Table 3). The monthly mean flow speed (Umean) varied
between 12 and 25 cm s−1. Low mean flow speeds (Umean < 15 cm s−1) were measured in
June and July, and high mean flow speeds (Umean > 20 cm s−1) were measured in March
and in late autumn in between October and December. During the remaining months,
Umean varied between 16 and 18 cm s−1. At depths above 180 m (recorded with MLM),
flow speeds varied more. From May to August, Umean was < 15 cm s−1 in between 115 and
180 m depth. Umean reached maxima at 90 m and at <50 mm depth with 27 and >45 cm s−1,
respectively (Figure 9A).

The maximum monthly flow speeds (Umax) below 180 m depth varied between 30 and
70 cm s−1. Umax was <45 cm s−1 in May and June and ~60 cm s−1 between October and
December. During the other months, Umax varied between 50 and 55 cm s−1. Between 125
and 180 m water depth, Umax was <50 cm s−1. At depths of <117 m, Umax was >100 cm s−1

except in August, with peak speeds (>200 cm s−1) measured around 60 and 100 m depths
(Figure 9B).
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Figure 9. Monthly water column values for (A) mean flow speed, (B) maximum flow speed, (C) percentage of southward
flow (90–270◦), and (D) direction of most energetic fluctuations at SLM (depths 180–210 m) and MLM (depths 50–190 m)
lander positions. The thick black line marks the mean of the recorded period. The dashed horizontal lines represent the
definition for surface waters (<80 m) and the depths of the living CWCs at Nakken (>190 m). The values were calculated
from a 1 h running median to avoid outliers.

The current direction was determined by the orientation of the fjord and was dom-
inantly southward (between 90◦ and 270◦) beneath 180 m, varying in between 80 and
180 m, and southward (May and June) or northward (July and August) near the surface
(Figure 9C, Table 3). In July and December, the flow direction was dominantly northward
(Figure 9C). The direction of the most energetic flow, um, was dominantly southward across
the water column (150◦–163◦, at depths >180–208 m and 160◦–170◦ at depths <180 m). The
northward flow was measured at ~150 m depth in May and depths <100 m in August
(Figure 9D).

The flow regime at NK bank reef was mostly subcritical, but it supported hydraulic
jumps with flow velocities >Umean. These are observed as rapid changes in hydrographic
parameters. For example, in the winter months, temperature, salinity, and turbidity
fluctuated within 12 h ΔΘ = 0.4 ◦C, ΔSA = 0.15 g kg−1, and Δturbidity >0.2 NTU. Following
the categorization of Juva et al. (2020) [22], the flow state is thus partially subcritical (PBsc).

3.6.2. Tides

Tidal analysis of the pressure data explained 87.2% and 95.6% of the pressure fluc-
tuations with 28 and 22 significant constituents at SLM and MLM, respectively. At both
lander sites, the semidiurnal (M2) signal generated the largest amplitude of 0.34 dbar. The
other significant constituents were diurnal, semidiurnal, and higher frequency constituents
(Table 4).
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Table 4. Tidal analysis for bottom pressure and flow record based on the harmonic analysis toolbox T_Tide [82]. Shown are
the harmonics with amplitudes >0.02 dbar and >1.5 cm s−1 for pressure and flow, respectively, in three categories: diurnal,
semidiurnal, and short period constituents. Explained variance through the tidal model in percent is given next to the
parameter. Abbreviations: p: pressure, ue un: bottom horizontal flow.

Most Significant Tidal Constituents (and Their Amplitudes)

Site (Record
in Days)

% Diurnal Semidiurnal Higher

NKSLM
(345 days)

p (dbar) 87.2 O1 (0.02), K1 (0.03) N2 (0.06), M2 (0.34),
S2 (0.13), K2 (0.04) M6 (0.02)

ue un (cm s−1) 7.2 – N2 (1.7), M2 (5.4), MKS2 (2.0) M6 (2.2), 2MS6 (1.6)

NKMLM
(87 days)

p (dbar) 95.6 O1 (0.02), K1 (0.03) N2 (0.06), M2 (0.34),
S2 (0.10) M6 (0.03)

ue un (cm s−1) 14.1 O1 (1.8) N2 (2.1), M2 (5.7),
S2 (1.8)

2MN6 (1.7), M6 (3.0),
2MS6 (2.0)

The analyses of the tidal constituents from the near bottom horizontal velocity records
revealed a different picture with more significant higher frequency harmonics than in
pressure. With 14 and 12 significant tidal constituents, tidal analysis explained 7.2% and
14.1% of the horizontal bottom velocity fluctuations at SLM and MLM, respectively. The M2
generated amplitudes of ~5 cm s−1 with flow direction to NNW (330◦–341◦), the opposite
of the mean flow direction (Table 4).

4. Discussion

In this study, we investigated the dynamics of the flow and environmental (hydrog-
raphy, carbonate chemistry, and inorganic nutrients) conditions around three L. pertusa-
dominated wall reefs and two bank reefs in a narrow fjord on diurnal, seasonal, and annual
time scales. Our results suggest that both hydrodynamics and hydro-biogeochemistry
regulate the distribution and health of the reefs in Langenuen and that the fjord is likely to
be in a state of change that has been ongoing since the 1980s.

4.1. Flow Dynamics

All five CWC reefs are healthy, but their limited spatial extent suggests that areas
with suitable living conditions for CWCs are narrow both vertically and horizontally.
CWC occurrences, both on the walls and banks coincide with the most dynamical parts of
the fjord.

The flow regime in Langenuen is controlled by the Norwegian coastal current and
modified by bathymetry, wind conditions, and tidal forcing [83–86]. In the upper 100 m,
the flow is strong with peak speeds of >100 cm s−1. At L. pertusa living depths (100–220 m),
water flow is predominantly southward with mean speeds of <20 cm s−1 and peak speeds of
~60 cm s−1 (Figure 9). This is comparable to other CWC sites in the NE Atlantic [27,31,87].
The flow down to ~120 m is driven by southerly winds and Norwegian coastal water
entering the fjord above the sill depth from the south [88,89]. Flow in deeper water layers
is driven by seasonal density differences outside the fjord system. For example, the flow
is reversed to northward-dominated at 120–200 m depth in December and in January
(Figure 9C), when prevailing northerly winds (Figure 4D) [90,91] create coastal upwelling
that pushes warm and deep North Atlantic water over the sill and into the deep fjord
basin [92]. Intrusions of high salinity and relatively warm North Atlantic water renew
the basin water in the fjords [89,93] and maintain aerobic conditions at the bottom [94].
At Nakken, the tidal flow was small compared to the residual flow (~5 vs. ~20 cm s−1).
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This is common in these coastal waters [95,96]. Similar amplitudes have been recorded in
Hardangerfjord, the main fjord to which Langenuen is a tributary [93].

In the Langenuen Fjord system, the distribution of CWC reefs, both on walls and
banks, seems to be governed by small-scale hydrodynamics. At the wall reefs of HH and
SN, L. pertusa corals live just beneath the seasonal thermocline and the fastest flow layer
(>100 m). The upper vertical limit of the corals could be set by this fast flow layer as
in strong currents, the polyps could bend backward, reducing the feeding surface [97],
and prey could escape from the polyps [98], restricting energy uptake in the coral. The
100 m depth also coincides with the strongly stratified layer in late summer and autumn
(N > 20 × 10−3 s−1, Figure 2), which could reduce the zooplankton migration to CWC
living depths [99,100]. Below 100 m, flow is slower, and the framework of the CWCs
further reduces flow speeds due to friction [28] toward the efficient prey capture speeds
of the L. pertusa [34,98]. Moreover, the CWC framework acts as a natural sediment trap
allowing the corals to capture and use the enhanced particle delivery. At these depths,
thriving colonies of L. pertusa and M. oculata occur on the vertical walls. The lower vertical
distribution limit of the CWC growth on vertical walls is created by the lack of hard bottom
substrate when moving beneath 200 m depth at Straumsneset and Huglhammaren and
below 240 m depth at Hornaneset.

At the bank reefs, the topography-flow interaction is suggested to directly influence
the health and growth of CWCs [22]. At the Nakken bank reef, the flow supports peri-
odic hydraulic jumps at high flow speeds. This will create a link between the surface
and the deep reefs. During these turbulent events, resuspended organic particles that
have settled to the sea bed would locally elevate food supply to the reefs compared to
the surrounding deep sea-bed. These processes could be particularly important during
periods of food limitation [101]. However, during the periods of periodic hydraulic jumps
also mineral particles will be resuspended and settled. It is assumed that patchy reefs
with similar flow regimes would have high vertical growth rates to prevent burial [22].
Maier et al. (2020) [101] estimated the linear growth at NK to be 13 mm year−1 for new
polyps. This is 30% to 100% higher than the linear growth measured for other Norwegian
reefs located farther north [102,103]. These areas occur likely in a more dynamic flow state
preventing the settling of particles and keeping the reef clear from heavy sedimentation.
This would reduce the need for large vertical growth while increasing the need for hor-
izontal growth and bridging between polyps, enforcing the coral skeleton to withstand
high physical forcing without breaking [22]. At the Nakken bank reef, turbulent conditions
created by hydraulic jumps are only present in winter, i.e., from October to December
(Umean >20 cm s−1, and Umax >50 cm s−1, Figure 9). It is plausible that the emergence and
growth of new polyps, taking place at this particular reef from December to March [101], is
initiated by the increased sedimentation caused by the periodic hydraulic jumps. Growth
rates 60% higher than those measured at NK have been documented for L. pertusa in the
Gulf of Mexico, where corals form similar patches as observed in NK [104].

4.2. Hydrographic and Biogeochemical Conditions

Seasonal signals in hydrography and biogeochemistry in the Langenuen Fjord are
strong, similar to the general area [92]. All CWC reefs in Langenuen occur in well-
oxygenated (O2 > 4.9 mL L−1) and inorganic carbon-rich (CT > 2135 μmol kg−1) waters.
The hydrographic (Θ and SA), alkalinity (AT), and inorganic nutrient (NO3

−, PO4
3−,

and SiO4
4−) ranges are within previously reported values from NE Atlantic CWC sites

(Table 5) [11,13,29,39,53].
Due to surface warming in spring and summer, the seasonal isopycnal reaches ~100 m.

The uppermost CWCs on the wall reef setting (at 80–100 m, HH) experience temperatures
>12 ◦C in late summer before the water is mixed in late autumn. This is ~4 ◦C warmer
than the mean temperature at these shallow reefs and likely enhances the metabolism of
L. pertusa and increases their energetic demand [36,41]. Together with strong flow speeds
(limiting prey capture rates in L. pertusa), seasonal high temperatures could restrict the
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upper limit of the CWCs on the fjord wall. Beneath the seasonal warming layer of 100 m,
annual ranges of hydrographic variables were small (ΔΘ = 1.92 ◦C, ΔSA = 0.96 g kg−1)
particularly when compared to the largest measured temperature fluctuation at any CWC
site, namely the ~9 ◦C (5.8–15.2 ◦C) temperature fluctuation within a day registered in
the Cape Lookout area, NW Atlantic [105]. Bottom temperatures decrease in late winter
due to dissipation from the surface and remain low throughout summer due to the pro-
nounced water column stratification established by the spring freshwater flood [106]. Due
to relatively warm winter temperatures in the deeper layer and the freshwater influence,
reefs occur in less dense waters than suggested for healthy CWC sites in NE Atlantic (i.e.,
σΘ = 27.35–27.65 kg m−3, [12]).

At Langenuen, the dissolved inorganic carbon was at times high, and a maximum
value of 2192 μmol kg−1 was observed. This is higher compared to what is previously
linked to thriving NE Atlantic CWC occurrences (CT < 2170 μmol kg−1, [15]). On the other
hand, total alkalinity (2300–2343 μmol kg−1) was similar to other NE Atlantic CWC sites
(2287–2377 μmol kg−1, Table 5). For comparison, the typical carbonate chemistry properties
in Atlantic core water in the Norwegian Sea is about 2160 μmol kg−1 and 2310 μmol kg−1

for CT and AT, respectively [107]. Regional studies of carbonate chemistry surround-
ing CWC ecosystems in the Gulf of Mexico [14], Gulf of Cadiz [15], Mauretania [15],
Mediterranean [10,15], and Marmara Sea [10] have shown that CT > 2170 μmol kg−1

is common for CWC sites outside the NE Atlantic (Table 5) while significantly higher
(AT > 2500 μmol kg−1) alkalinity levels are measured only at the Mediterranean and the
Marmara Sea CWC sites. Together with regional hydrographic (Θ, SA) conditions, the
relatively high AT result that the aragonite saturation is also relatively high (ΩAr > 2.5) in
the Mediterranean CWC sites compared to other basins, where values <2.0 are common
(Table 5). Consequently, this study emphasizes the importance of estimating both CT and
AT since it is the relationship between them that determines the CaCO3 saturation. These
regional ranges are obtained from single time point measurements that do not include the
variability on the diurnal level.

Table 5. The range (published min–max) of environmental conditions at different regions, specifically at the depth and site
of known Lophelia pertusa, Madreora oculata, or Desmophyllum dianthus occurrences, comparing data from this study with
data available in the literature. Abbreviations: GoC: Gulf of Cadiz, Ma: Mauretania, Me: Mediterranean, GoM: Gulf of
Mexico, CF: Chilean Fjords, MS: Marmara Sea, TS: Tassman Seamount, C-Refs.: References for carbon system data, N-Refs.:
References for nutrient data, nd: no data reported, * Only mean salinity reported in [108].

Location This Study
NE

Atlantic
GoC Ma Me GoM CF MS TS

Depth, (m) 80–220 100–1000 606–1322 451–568 200–850 307–620 20–200 932 1050
Temperature, (◦C) 7.4–12.2 5.9–10.6 9.2–11.0 9.7–11.7 12.8–14.0 nd 10.6–12.5 14.5 4.59

Salinity, (-) 33.93–35.39 35.0–35.7 35.6–36.0 35.2–35.4 38.6–38.8 35.05 * 31.7–33.0 38.8 34.4
AT,

(μmol kg−1) 2300–2343 2287–2377 2332–2342 2314–2375 2577–2742 2259–2391 2136–2235 2610 2315

CT,
(μmol kg−1) 2135–2192 2088–2186 2180–2200 2183–2240 2307–2333 2135–2231 2025–2188 2470 2218

ΩAr, (–) 1.50–2.01 1.35–3.03 1.43–1.83 1.31–1.58 2.59–4.06 1.19–1.69 0.78–1.60 1.46 1.02
C-refs. [15,53] [15] [15] [10,15,108] [108] [10,109] [10] [10]
PO4

3−,
(μmol L−1)

0.67–0.96 0.4–1.6 0.20–0.41

NO3
−,

(μmol L−1) 8.64–11.61 4.1–23.4 nd

NH4
+,

(μmol L−1) <0.6 0.5–1.6 0–0.29

SiO4
4−,

(μmol L−1)
4.37–6.92 2.1–46.6 nd

N.-Refs. [11,53] [108]
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The short-term variability in carbonate chemistry in Langenuen is large, and the
highest values are linked to the tidal cycle. Similarly, high CT concentrations have been
observed in dynamical NE Atlantic CWC mounds in the southern Rockall Bank [53]. There,
values up to 2186 μmol kg−1 were measured over a tidal cycle, indicating that L. pertusa is
resilient to CT levels exceeding 2170 μmol kg−1, at least over short time scales. At Rockall
Bank, the tidal range of CT was 58 μmol kg−1. This is similar to short-term (within 16-h)
variability measured at NK reef (ΔCT ≈ 57 μmol kg−1) in January 2017 and to the annual
ranges of CT at CWC living depths at other Langenuen reefs (ΔCT ≈ 51 μmol kg−1 at
HH, and ΔCT ≈ 39 μmol kg−1 at SN). The short-term changes in carbonate chemistry
at Langenuen reefs cannot be explained by salinity and temperature changes alone. For
example, the pCO2 change is about 4.2% per 1 ◦C, implying that the temperature effect on
pCO2 could explain ~5 μatm of the 124 μatm difference recorded at Nakken reef during 16 h
in January 2017. This large variability is most likely caused by rapid change in the dominant
water mass from Norwegian coastal water to North Atlantic water. NAW has high pCO2,
thus large CT, but also relatively high AT. Therefore, pHT and ΩAr are generally higher in
NAW than in waters containing freshwater (such as NCW), and large changes in the whole
carbonate chemistry are possible during short time periods. It is also plausible that the
presence of North Atlantic water with higher ΩAr compared to Norwegian coastal water is
buffering ocean acidification in Langenuen, and strengthening of the coastal stratification
outside the fjord system caused by warming could reduce its presence at the Langenuen
coral reefs in the future.

Observed differences between the five reefs were not consistent between the different
time periods or seasons sampled. This variability is at least partly a consequence of
the short-term variability that is not captured with single time point measurements or
replicates taken close to each other in time. The observed variability over the 16 h sampling
period in January 2017 was larger both between the sites and at NK compared to other
months. The high fluctuation in winter could be caused by a combination of the storm
event and dynamical winter conditions (i.e., weaker stratification, stronger flow, water
source variation between the north (Korsfjorden) and south (~Utsira) more than during
other seasons), see Figures 2, 4, 6 and 9. This kind of extreme event is likely to occur
each year, and based on meteorological reports [90,91], it is likely that even more energetic
events occurred in winter 2016–2017. Since the tidal component causes large variability
in the carbonate chemistry, the full seasonal and diurnal variability of the carbonate and
nutrient chemistry should be measured in further ocean acidification studies [48].

4.3. Long-Term Changes

The measured time period (from February 2016 to August 2017) is not long enough
to fully capture the interannual variability nor the long-term trends of environmental
conditions occurring in the Langenuen Fjord. However, because of the water exchange
between Langenuen and the open ocean above sill depth, the mean hydrographic con-
ditions at Langenuen CWC depths can be correlated to the fixed coastal station Utsira
south of Langenuen (Figures 1A and 10) [110]. Sætre et al. (2003) [38] reported that both
temperature and salinity decreased between 1950 and 1989 along the Norwegian coast.
At Utsira, the winter temperature (JFM) decreased from 7.6 to 7.0 ◦C and salinity from 35
to 34.8 [38] at 150 m depth during this period. These trends are affected by basin-wide
phenomena such as “great salinity anomalies” (GSAs) [111–113] and the North Atlantic
oscillation (NAO) [114]. GSAs are low-salinity/low-temperature events that are formed
by cold winters, freshwater outflow, strong northerly winds, and a large sea ice extent
in the northwestern Atlantic [112]. A positive NAO index is associated with mild win-
ters, an increase in westerly winds, higher winter precipitation over Scandinavia, and a
deeper Norwegian coastal current. GSA salinity minima are reported at Utsira coastal
station in 1977–1978, 1987–1989, and 1994–1996 [38]. High temperatures and salinities in
between these periods are caused by an increase in the Atlantic inflow combined with
the atmospheric conditions associated with periods of positive NAO and a general rise in
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temperature over the past decades [115]. The decadal forcing acts together with climate
change to determine the past, the present, and the future deep-water hydrography within
the region and at Langenuen. The whole water column had warmed after the GSA in
the 1980s when only salinity returned to previous levels (Figure 10), indicating ocean
warming. At Utsira, the increase has been 0.45 and 0.25 ◦C per decade at 50 and 200 m
depths, respectively, since 1975 (Figure 10). If we assume a similar warming trend in
bottom temperature at Langenuen, the waters at CWC living depths were ~1 ◦C cooler in
the 1970s compared to the study period 2016–2017. Furthermore, if these warming rates
continue at Langenuen, temperatures could seasonally increase to >18 ◦C at 50 m depth
and >10 ◦C at 200 m depth (Figure 10). The summer thermocline with temperatures >12 ◦C
would reach depths >100 m by the year 2100. The warming within the past 40 years has
likely already increased the energy demand of CWCs compared to that in the 1970s, with
possible effects on coral energy reserves and reproductive output if these are not met by
increased food uptake rates [41].

Figure 10. Temperature (first row), salinity (second row) and density (third row) at Utsira coastal station (color)
©Havforskningsinstituttet, Korsfjorden-Langenuen-Bømlafjorden area (black) ©Havforskningsinstituttet, and at Lan-
genuen/Nakken (gray). The first column shows Utsira annual mean ± 1σ and linear fit with 95% confidence for 1975–2020
at 50 m (orange line) and at 200 m (green line) depths and individual measurements inside the fjord system at 50 m (plus
signs) and 200 m (cross signs) depths. The second column shows the annual cycle at 200 m depth, and the third column the
annual cycle at 50 m depth. In the second and third columns, the dashed line shows the average year ± 1σ for Utsira for
years 1976–1977, the solid line shows the average year ± 1σ for Utsira 2016–2017, and measurements from Nakken and
dotted gray line is the linear estimation at Nakken for the year 2100.

The warming of coastal waters caused by climate change has likely led to a decreased
frequency of intrusions of dense, oxygen-rich North Atlantic water with relatively high
ΩAr levels and has caused a general oxygen decline in the basin waters of some western
Norwegian fjords with shallow sills (i.e., <100 m) [45,116]. Furthermore, warmer water
contains less oxygen. In the Masfjorden, north of Bergen, this multidecadal decline corre-
sponds to a loss of 2.0 mL L−1 over 42 years and an associated 1 ◦C rise in temperature [45].
A similar decline in oxygen has been reported in Byfjorden, off the city of Bergen, with
an accompanying shift in benthic communities toward domination of opportunistic ben-
thic species [116]. Given the observed warming in Utsira, oxygen concentrations have
likely decreased in Langenuen as well and are likely to decrease even further in the future.
Hebbeln et al. (2020) [35] suggested that L. pertusa populations are highly sensitive to low
oxygen conditions of 40%–50% lower than the ambient oxygen values. From observed
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conditions, a decline of 40% from present values would set the lower oxygen limit in
Langenuen to ~2.5 mL L−1 compared to the global limit of <1.5 mL L−1 [36,117,118]. If
a decline of 0.5 mL L−1 per decade continued linearly in Langenuen, corals would be
exposed to hypoxic conditions by the end of the century and to conditions <2.5 mL L−1 by
the year 2070.

Besides warming waters and oxygen decline, salinity in the surface layer has been
decreasing along the Norwegian coast [38]. At Utsira, the decline at 50 m depth has
been up to −0.05 g kg−1 per decade between May and September since 1975 (Figure 10),
but salinity has increased slightly during other months and at other depths. This long-
term decrease in salinity at the surface is partly caused by increased precipitation and re-
treat/melting of glaciers, substantially increasing freshwater run-off. Førland and Hanssen-
Bauer (2000) [119] demonstrated that precipitation in northern Norway has increased by
1.7% per decade during 1961–1990. Hanssen-Bauer et al. (2003) [120] projected an annual
increase of 15% in precipitation from 1980–1999 to 2030–2049 in western Norway. During
the last decade, the glaciers of Norway have continuously retreated ([121] and references
therein). This could further increase the surface stratification and reduce the surface-bottom
interaction during the melt water period.

Driven by warming, the water column has become less dense within the past 40 years
in Utsira at a rate of 0.037 kg m−3 per decade at 50 m and ~0.02 kg m−3 per decade at
200 m depth. If density has changed similarly in Langenuen, waters at CWC living depths
would have been within the suggested sigma-theta range for thriving CWC sites in the NE
Atlantic (>27.35 kg m−3) [12] during the 1970s but are lower than that now. Such changes
may be critical because the depth zonation of CWCs on the vertical walls may be related to
physical boundary conditions at specific depths that act to concentrate food particles [122],
and corals cannot physically move to adjust to that.

Freshwater from rivers, rain, and melting glaciers have been observed to decrease
AT and ΩAr substantially and play a large role in increasing ocean acidification in surface
waters [123,124]. These waters could reach the coral depths during autumn and winter
mixing even though the summer stratification is likely getting stronger. Therefore, there is
a weak positive indication that the influence of fresh coastal water into the deeper water
masses of the fjord may locally accelerate ocean acidification at CWC living depths.

Our hindcast suggests that ocean warming and acidification may already today affect
the functioning of Langenuen CWCs. As oceanic uptake of atmospheric CO2 contin-
ues [115], warming and ocean acidification continue in the western Norwegian fjords. We,
therefore, stipulate that these shallow fjord reefs could serve as windows into the future
and forewarn about the likely effects of ocean acidification and warming on CWC reef
biodiversity and productivity. Studies from tropical coral sites suggest that the rate of calci-
fication is lower under recent conditions (~400 ppm) compared to pre-industrial (280 ppm)
times [125,126], and enhanced reef growth has been observed in situ in lagoons where pCO2
levels have been manipulated to pre-industrial levels. McGrath et al. (2012) [127] showed
that CT has increased in subsurface waters in the NE Atlantic between 1991 and 2010. This
was concomitant with a decrease in ΩAr and a shoaling of the ASH. Within this century,
~70% of the known CWC habitats are predicted to be in corrosive waters [49]. The ocean
acidification monitoring program of Norwegian waters [48] has shown an annual decrease
in ΩAr and pH of 0.007 and 0.02 in Korsfjorden at depths of ~670 m between 2007 and 2017,
respectively. The decrease in ΩAr and pH has been reported to be greater in coastal areas
than in deeper waters (~2000 m) offshore [48]. If the carbonate system changed at similar
rates at ~200 m depth in Langenuen, CWCs would be exposed to corrosive conditions
(ΩAr < 1) by 2090. Given their shallower location in a narrow fjord, it is likely that the
rate of change is even larger, and ΩAr < 1 conditions would occur even sooner [51]. The
living coral can withstand some corrosive conditions with pH up-regulation [10,128], and
in the Mediterranean, ΩAr < 0.92 was found to be the calcifying limit for L. pertusa [129].
However, the exposed dead coral skeleton, which frequently forms the largest portion of
the CWC reef, starts to dissolve in corrosive conditions [130].
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5. Conclusions

The distribution of cold-water corals in the narrow Langenuen Fjord in southwestern
Norway (health category II) is limited by physical environmental boundaries and the
hydrodynamical setting driven by seasonal and short-term forcings. Summer thermo-
cline with temperatures of over 12 ◦C reached the uppermost populations on the vertical
wall reefs (~80 m). This is >4 ◦C warmer than the mean temperature (7.8 ◦C) at the
coral living depths and may be over their tolerance limit, thus limiting the vertical ex-
tent of coral growth. Variability of chemical parameters during a recorded winter storm
(ΔAT = 26 μmol kg−1, ΔCT = 57 μmol kg−1) was comparable to the measured annual vari-
ability (ΔAT = 42 μmol kg−1, ΔCT = 57 μmol kg−1). This short-term variability was driven
by rapid changes in flow conditions and water masses. For all reef settings, but in particular
the bank reefs, our findings highlight the importance of sampling at different phases within
the tidal cycle when collecting samples for environmental monitoring programs.

Norwegian coastal waters outside Langenuen have warmed since the 1970s on average
at a rate of 0.25 ◦C per decade at depths >100 m and up to 0.44 ◦C per decade at 50 m
depth. Waters have warmed more during summer and autumn compared to the remaining
seasons. This warming has reduced water mass density and its oxygen concentration
and strengthened summer and autumn stratification, changing the physical boundaries
toward “non-optimal” for coral growth in Langenuen. The depth zonation of CWCs on the
vertical walls may be related to physical boundary conditions at specific depths that act to
concentrate food particles, and corals cannot physically move to adjust to that. Clearly, this
aspect needs more attention and should be tackled in future research.

If warming continues at a similar rate in the future, the summer thermocline with
temperatures >12 ◦C would reach depths >100 m, and corals would be exposed to hypoxic
and corrosive events by 2100. In conclusion, more frequent short-term stress events and the
gradual change of mean conditions may restrict the depth zonation of corals and change
the benthic species composition in Langenuen, as well as other CWC sites, dramatically.
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Abstract: Serranilla is a protected island of the Seaflower Biosphere Reserve, far from dense human
population. These characteristics could help sustain structurally complex coral reefs, often associated
with higher biodiversity, abundance, and biomass of reef-associated organisms, including reef fish.
However, the multiple threats present in Serranilla, including intense illegal fishing, can impact coral
ecosystems generally and also specific key groups, such as the parrotfish, in particular. During the
“Seaflower Research Expedition 2017”, we assessed how structural habitat complexity influences
reef fish assemblages. In addition, we explored differences in parrotfish species (family: Scaridae)
between Serranilla and San Andrés, the most populated island in the Archipelago. On Serranilla, we
found that habitat structure, rugosity, and coral cover accounted for up to 66% of variation in reef
fish diversity, abundance, and biomass, with values being higher on more complex reefs. Parrotfish
species differed between the islands, with larger species supporting higher biomasses at Serranilla,
by comparison with San Andrés; however, the abundance, biomass, and lengths of parrotfish species
were low in both areas compared with those reported from other protected Caribbean reefs. Our
study indicates that despite the evident relationship between structurally complex habitats and reef
fish, other threats in Serranilla could be affecting parrotfish populations, such as illegal fishing, a
widespread activity in the area.

Keywords: structural complexity; coral reef; Caribbean; biodiversity; overfishing; parrotfish; Seaflower
Biosphere Reserve

1. Introduction

Coral reefs are widely recognized as one of the most diverse marine ecosystems, pro-
viding essential habitats for numerous species; although coral reefs cover only 0.02% of the
ocean’s surface, they are believed to harbor nearly 30% of all known marine species [1–4].
Reef ecosystems provide multiple ecosystem services [5–7], including coastal protec-
tion [8,9] and the provision of food and livelihoods through fishing activities [10]. However,
in recent decades, coral reef ecosystems worldwide have been facing degradation due to
multiple environmental and human stressors [11,12]. Currently, ~60% of the world’s coral
reefs are considered to be threatened [13]. In the Caribbean, by 2003, at least 80% of the
coral cover registered in the 1970s was lost [14,15], while in the Atlantic, 75% of coral reefs
are considered at risk [12]. This loss of coral cover has often produced a decline in the reef’s
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structural complexity, affecting associated organisms including reef fish [16]. The replace-
ment of structurally complex coral species represents a more silent problem [17]; branching
coral species have often been replaced by “weedy” species of coral, which display less
rugosity and tridimensional structure, so that even if coral cover recovers, the system
may possess lower structural complexity [18]. On Caribbean reefs, a considerable loss of
species that provide high structural complexity, such as Acropora palmata, A. cervicornis, and
Montastrea cavernosa, was evident from the 1970s, aggravated by mass coral mortality as
the result of reef erosion caused by the sea urchin Diadema antillarum through an increasing
prevalence of coral disease and by coral bleaching events [17,19]. Such declines in structural
complexity on coral reefs can have negative consequences, including loss of ecological
function, biodiversity, and ecosystem services [2,7,20]. However, it is essential to identify,
beyond structural complexity, other features of reef ecosystems which are involved in the
maintenance of essential functions and processes [21].

Herbivory is one of the key processes in coral reefs that can prevent the overgrowth of
corals by algae through food web control over turf and macroalgae [11,22,23]. Herbivorous
fishes are considered essential to reef ecosystems’ health, especially after the radical decline
in the Caribbean of other large herbivores, including sea turtles and manatees [24], and
previously dense populations of D. antillarum [25]. Among herbivorous fish, parrotfishes
(Family: Scaridae) are considered important in promoting the recovery of coral reefs after
disturbances (i.e., bleaching events or storms) and in preventing phase shifts from coral
to algal-dominated communities [16,26–28]. Notably, in the Caribbean, some Marine Pro-
tected Areas (MPAs) have been found to possess high parrotfish biomass, low macroalgae
cover, and high coral cover, with abundant coral recruits [28,29]. However, parrotfish are
high among the fisheries’ target species, crucial for most Caribbean economies [23]. Fishing
has been found to deplete many coral reef fish species, promoting reef degradation [30–32].

The Seaflower Biosphere Reserve (Seaflower BR) is one of the largest protected areas
in the Caribbean, covering 180,000 km2 and incorporating a large percentage of Colombia’s
coral reefs [33]. Although the Seaflower BR is an extensive MPA and experiences oceanic
conditions that might be expected to support pristine coral reefs with high structural
complexity and biodiversity, the archipelago islands nevertheless experience illegal fishing,
including overfishing, together with other anthropogenic pressures [23]. Of the nine islands
in the archipelago, Serranilla, northwest of the Seaflower BR, is furthest from the mainland
and it was here that recent research efforts were focused during the “Seaflower Research
Expedition 2017”. We designed our study to evaluate the status of fish assemblages in
relation to reef habitat structural complexity, paying particular attention to comparing the
parrotfish species of Serranilla from that found at San Andrés.

2. Materials and Methods

2.1. Study Site

Serranilla island (15◦50′ N, 079◦50′ W), officially named Isla Cayos de Serranilla, is
located at the northwest end of the Seaflower Biosphere Reserve (Figure 1). Seaflower
BR, with an area of 180,000 km2, was declared as a Biosphere Reserve by UNESCO in
2000; within this larger area, the Colombian Government designated 65,000 km2 as Marine
Protected Area in 2005 [33]. In fact, Serranilla is not a single island, but a reef complex
formed on a submarine mountain, on which emerged cays are scattered. The principal
cay is Beacon Cay, located in the south east of the complex (Figure 1c). The underwater
seascape consists of a carbonate platform with reef habitats such as reef crests, coral patches,
sand flats, hardground areas, and also seagrass beds [34]. This island is located a long way
(>400 km) from the most populated island of the archipelago, San Andrés, and lies only
320 km south of Jamaica (Figure 1a,b; Figure S1). San Andrés, in contrast, has a terrestrial
area of 27 km2, with a maximum length of 12.6 km and maximum width of 3 km. On the
west side of San Andrés there is a submarine hard bottom platform extending seawards for
200–500 m, and a mainly continuous rocky shore, but no barrier reef. On the east side of
the island, the platform extends seawards for more than 2 km with some soft sand bottom
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areas, small coral patches, mangroves, and sandy beaches on the coast, and, at the east
edge of the northern part, a discontinuous barrier reefs of about 9 km in length [33].

Figure 1. Maps showing the position of the study area: (a) the location of the Seaflower BR in the
south west of the Caribbean, (b) map of the Seaflower BR showing the San Andres archipelago,
including San Andrés, Old Providence, and Serranilla island, and (c) the locations of the survey sites
at Serranilla (red points: S1–S10) together with (inserted) an aerial image of Beacon Cay, the largest
cay on Serranilla (top left).
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2.2. Data Collection

The surveys were conducted at ten sites at Serranilla during the “Seaflower Re-
search Expedition 2017”. Ten sites were selected to capture the heterogeneity of Serranilla
(Table S1). At each site, habitat structure (benthic components and rugosity) and fish as-
semblage structure and composition were assessed using underwater visual census (UVC)
techniques conducted by a paired-diver team along 50 m × 2 m belt transects (n per site = 2
or 3). On each transect, the fish species, abundance, and visual estimated size per indi-
vidual (interval length) were recorded by the first diver, following established sampling
methodologies [35–37]. To highlight the specific relationships of the key fish family of
parrotfish (Scaridae) with habitat, the abundance of parrotfish according to the size was
also calculated; we distinguished large species (>50.1 cm total length) and small species
(<50 cm total length) based on available values from FishBase [38]. Valid species names
were verified, according to Fricke et al. [39].

Habitat structure was evaluated as a combination of the percentage cover of the main
benthic components and of reef rugosity. To characterize the coral community, we selected
the percentage cover of five morpho-functional benthic groups: branching corals, brain
corals, submassive corals, spherical corals, and algae. The variables were recorded with
a video camera that was held 0.4 m above the seabed while being moved along each of
the 50 transects. From each such video transect, 40 frames were selected, and 50 points in
each frame were sampled to estimate the percentage of the benthic groups. Rugosity was
estimated with the rugosity index (RI), obtained using the chain-link method [40]. Within
each belt transect, the second diver laid down a 10 m chain over the seabed closely following
the substrate contour and then measured the linear distance occupied by the chain. This
was done three times within each transect. RI was then calculated as RI = 1 − d/L, where
d is the horizontal distance covered by the chain, and L is the chain’s true (i.e., stretched)
length. This method is quick, objective, and highly replicable [36].

Fish data for San Andrés were obtained during the same sampling period as the
Serranilla surveys (September 2017). Data were collected from transects at three sites on the
west side (Luna Verde, Wild Life and Bajo Bonito) and one on the east side (Bahía Honda)
of the island. Fish species, abundance, and estimated fish size in San Andrés were recorded
following the same UVC described above for Serranilla. To compare parrotfish, we selected
12 transects for each location (Serranilla and San Andrés), all placed parallel to the coast,
with comparable values of RI (0.19–0.49).

2.3. Analysis

We used two approaches to analyze the reef fish assemblages at Serranilla and San
Andrés. The first approach aimed to characterize the relationship of fish assemblages to
habitat structure. The second focused on the parrotfish assemblage, evaluating differences
between Serranilla and San Andrés.

2.3.1. Relationship of Reef Fish Assemblages to Habitat Structure

For each transect, we estimated diversity, abundance, and biomass. Biomass (g m−2)
was calculated using the allometric weight equation:

W = a Lb (1)

where L is the weighted mean of the estimated length for each species per transect, and a
and b are the constants of length–weight obtained from FishBase [38].

We evaluated diversity using Hill’s effective number of species of order 0, 1, and 2 [41],
where 0D is species richness, 1D considers all species and their abundance, 2D reflects the
most abundant species, and 2/1D reflects their evenness. To explore the relationships of reef
fish assemblages to habitat, we performed multiple linear regressions of fish assemblage
measures against the main explanatory variables that define habitat structure (benthic cover
and rugosity). The preferred models were selected based on the lowest values of Akaike’s
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Information Criterion (AICc). The models’ variables included the average parameters
of the models with <2 ΔAICc [42]. The p-value and adjusted R2 of the model with all
the explanatory variables and the selected variables were reported. For each model, the
validity of the linear models was examined with the normality of the residuals [43].

2.3.2. Differences in Parrotfish Assemblages between Islands (Serranilla and San Andrés)

We evaluated variation in the metrics (0D, biomass, and abundance) and composition
(abundance and biomass) of the Scaridae species present between the two islands, Serranilla
and San Andrés. We also examined the mean sizes observed for each species at Serranilla
and contrasted these with the available information about common and maximum size
obtained from FishBase [38].

Two ANOVAs based on permutations (10,000) were performed to test the differences
in biomass and abundance using Euclidean matrices from fourth-root transformed data.
We used a model with one factor:

Yij = μ + Islandi + eij (2)

where μ is the general mean; Islandi is the factor with two levels (Serranilla and San Andrés)
and 12 replicates per site, and eij is the associated error.

Two permutational multivariate analyses of variance (PERMANOVA) were performed
to assess parrotfish assemblage composition differences in biomass and abundance. We
used the previous ANOVA model and verified the homogeneity of dispersion with the
PERMDISP test and non-metric multidimensional scaling (NMDS) [44]. Similarity percent-
age analysis (SIMPER) were used to detect the parrotfish responsible for the dissimilarities
between the islands. We plotted in the NMDS the small and large parrotfish abundance and
biomass to visualize the differences in composition. For PERMANOVA, PERMDISP, SIM-
PER, and NMDS, we used a Bray–Curtis similarity matrix with a fourth root transformed
data. Statistical analyses were performed in R and Primer v6.1 PERMANOVA+ [45,46],
and plots for SIMPER results generated in SigmaPlot v11 software.

3. Results

A total of 8137 individual fish belonging to 68 species and 22 families were recorded
across the sites on Serranilla. The families represented by the most species were: Scaridae
(12 spp), Pomacentridae (9 spp), and Labridae (7 spp). Three wrasses (Labridae) were the
most abundant species, representing 50% of the total fish abundance: Halichoeres bivittatus,
H. garnoti, and Thalassoma bifasciatum. However, because of the larger sizes of individuals,
the highest mean biomasses were represented by Haemulon album, Melichthys niger, and
Mulloidichthys martinicus, which together contributed >30% of the total biomass (Table S2).

3.1. Relationship of Reef Fish Assemblages to Habitat Structure

The results of the multiple linear regressions supported the interpretation that at
Serranilla overall fish abundance, biomass, and diversity were related to habitat structure
(Table 1). Up to 66% of the variation in measures of reef fish assemblage structure was
significantly explained, except for variation in biomass and evenness. Among all the
measured explanatory variables, rugosity, and coral cover of branching and brain corals
were most often significant. Of the diversity indices, species richness (0D) was the measure
with the greatest percentage of variation described (59%), in that case by only one variable
(rugosity). In contrast, 66% of variation in the abundance of small parrotfish species was
explained by the combination of all six measures of habitat structure (Table 1).
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Table 1. Habitat structure drivers of reef fish diversity and abundance at Serranilla; regressions of fish assemblage measures
against reef habitat measures. The results shown within each pair of lines are for (upper line) linear models using all
potential explanatory variables and (lower line) for the best fit model selected using AICc criteria. p-values are shown for
the adjusted R2 estimates as well as for the entire model.

Indices
Num. of
Variables

p-Values of Variables in the Model Total Model

Rugo Bran Sphe Brain Subm Algae R2
adj p-Value

Biomass
All 0.46 0.81 0.87 0.41 0.71 0.16 0.364 0.066
5 0.54 0.34 0.37 0.87 0.22 0.378 0.427

Abundance
All 0.001 0.94 0.49 0.59 0.09 0.51 0.558 0.01
3 0.14 0.56 0.41 0.385 0.016

0D
All 0.03 0.9 0.81 0.7 0.94 0.71 0.463 0.028
1 <0.001 0.592 <0.001

1D
All 0.3 0.83 0.71 0.98 0.52 0.14 0.389 0.034
3 0.23 0.39 0.06 0.502 0.003

2D
All 0.36 0.56 0.54 0.92 0.51 0.07 0.357 0.07
3 0.02 0.73 0.01 0.459 0.006

2/1D
All 0.22 0.23 0.24 0.49 0.64 0.12 0.237 0.156
4 0.16 0.6 0.48 0.26 0.261 0.083

Small parrotfish abundance All 0.28 <0.01 0.12 <0.01 0.082 0.83 0.661 0.002
4 0.53 <0.01 <0.01 0.49 0.408 0.006

Large parrotfish abundance All 0.02 0.15 0.11 0.77 0.23 0.61 0.376 0.06
2 <0.01 0.22 0.408 0.006

Abbreviations. Rugo: rugosity; Bran: branching coral; Subm: submassive coral; Sphe: spherical coral; Brain: brain coral.

3.2. Parrotfish Differences between Islands (Serranilla and San Andrés)

We recorded 11 parrotfish species present within one or both of the two islands, 11 on
Serranilla and six on San Andrés (Scarus coelestinus, S. coeruleus, S. guacamaia, S. iseri, S.
taeniopterus, S. vetula, Sparisoma atomarium, S. aurofrenatum, S. chrysopterum, S. rubripinne, S.
viride). S. viride was the species with both the highest abundance and biomass on Serranilla,
and on San Andrés, S. taeniopterus and S. aurofrenatum had the highest abundance and
biomass, respectively (Table S3). Comparison of metrics between Serranilla and San Andrés
showed that there was no statistical difference in overall abundance (Pseudo-F = 2.137,
p = 0.146) or species richness per transect (0D; Pseudo-F = 2.057, p = 0.105) between the two
island areas, but there was a statistically significant difference in parrotfish biomass per
transect (Pseudo-F = 4.637; p = 0.040).

Nevertheless, parrotfish assemblage composition did appear significantly different
between the two islands when examined both in terms of abundance (Pseudo-F = 16.031,
p < 0.001) and in terms of biomass (Pseudo-F = 12.170, p < 0.001) with NMDS plots; these
showed, in relation to both measures, a strong spatial segregation between sites on the two
islands and a notably higher dispersion among the Serranilla sites (Figure 2a,b). As shown
by the sizes of the bubbles, at Serranilla, most of the parrotfish contributing to abundance
and biomass were larger species, whereas at San Andrés these were mainly small-size
parrotfish (Figure 2c–f).

The SIMPER analysis showed that just three species were responsible for >50% of
island dissimilarity, two of which had higher abundance and biomass in San Andrés
(S. taeniopterus and S. aurofrenatum), and a third which had a considerably higher abundance
in Serranilla (S. viride) (Figure 3; Table S4). Overall, the mean parrotfish size of each species
was considerably smaller than the common and maximum lengths reported in FishBase
(Figure S2).
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Figure 2. Non-metric multidimensional scaling (NMDS) plots of parrotfish abundance and biomass
at sites at Serranilla and at San Andrés. Plots of abundance are shown for (a) all parrotfish, (c) small-
size parrotfish (<50 cm), and (e) large-size parrotfish (>50.1 cm). Corresponding plots of biomass
are shown for (b) all parrotfish, (d) small-size parrotfish, and (f) large-size parrotfish. Bubble sizes
indicate the abundance or biomass values for each site.
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Figure 3. Comparison of mean (a) abundance, (b) biomass, and (c) size at Serranilla and at San Andrés
of the three Scaridae species that together contribute at least 50% to the accumulated dissimilarity
between these two study areas, as estimated by the SIMPER analysis. The contributions of the
individual species are shown adjacent to the bars in (b). The error bars are ±SE. The red lines
and written values in the lower part indicate the common size of each species, as reported from
FishBase [38].

4. Discussion

Our study demonstrates that variation in reef fish diversity, biomass, and abundance
in Serranilla can be partly explained by two benthic components, coral cover and rugosity,
that contribute to habitat complexity in coral reefs [18,19]. Nevertheless, the mean values
of parrotfish biomass and length at Serranilla were low, which could reflect the effect of
anthropogenic pressure in the area, mainly through illegal fishing [30–32].

Structural complexity in coral reefs has been evaluated for its ecological relevance,
enhancing abundance, biomass, and biodiversity [47,48]. Multiple studies have found
that the complexity of healthy coral reefs favors coastal protection, reducing the effects
of wave action and other environmental phenomena and maintaining shoreline equilib-
rium [9,49,50]. A relationship of fish assemblage with the structural complexity, such as we
observed at Serranilla in the Seaflower BR, has also been observed at other locations in the
Atlantic [51,52] and in other regions of the world [53,54].

Reef habitat structures provide microhabitats and refuge areas that benefit multiple
organisms, including reef fish [55,56], with different rugosity levels favoring multiple fish
groups [52]. Loss of habitat complexity can negatively affect multiple species [47,57], in-
cluding reef fish [58], leading to species losses [11] and localized extinctions [59], including
species of commercial interest such as parrotfish. Rogers et al. [52] predicted that a loss of
complexity could cause a more than three-fold reduction in fishery productivity. Therefore,
preserving complexity in coral reefs is crucial, particularly since structural complexity
is currently in rapid decline in the Caribbean [17], with one of the largest protected ar-
eas in the Caribbean, the Seaflower BR, remaining highly vulnerable to anthropogenic
pressure [33].
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Coral reef degradation may also result from the loss of critical groups, such as the
parrotfish. Their loss, through increased in macroalgae, decreased coral cover, and sub-
sequently a diminished habitat complexity, may lead to a decline in associated organ-
isms [22,60]. At Serranilla it was found that transects closer to Beacon Cay showed lower
rugosity and diversity of reef fish. Although greater habitat complexity may have helped
maintain higher abundance and biomass on Serranilla’s reefs compared with those on San
Andrés, direct anthropogenic pressure may still limit any positive effect, and lead to a
lower abundance and diversity of reef fish, including parrotfish [22,46,47,52].

Anthropogenic pressure is among the most recurrent threats to coastal ecosystems,
since human populations reside nearby and depend on coastal areas for commerce and
survival [61,62]. Studies have found a relationship between reef fish assemblages and
the distance from dense human populations [63], and found that sites closer to human
populations tend to have lower abundance, biomass, and richness of reef fish than areas
that are more remote, with an exponential increase in reef fish biomass as the distance from
the significant human population increases [64,65].

Considering that Serranilla is far from any significant human population, we expected
to find higher biomasses of reef fish, particularly of key coral reef groups such as the
parrotfish. Beacon Cay, Serranilla, has only around 12 permanent inhabitants (equivalent
to 9.2 inhabitants per 0.1 km2), while San Andrés has more than 65,000 (equivalent to
241 inhabitants per 0.1 km2 [33]. Additionally, more than 730,000 tourists visit San Andrés
each year [65]. However, our data showed that despite the high reef rugosity, most
parrotfish at Serranilla had low biomass and abundance values, similar to those found at
San Andrés.

Differences in the size and abundance of some parrotfish species between Serranilla
and San Andrés seem likely due to a lower fishing pressure at Serranilla. Nevertheless, fish-
ing pressure may have modified the parrotfish assemblages at Serranilla. On San Andrés,
fishing is one of the most important commercial activities, and includes spearfishing tar-
geting multiple parrotfish species, such as S. coeruleus, S. coelestinus, and S. guacamaia [66],
that were rarely observed during this study. While permitted fishing activity is mainly
artisanal, illegal vessels have been reported carrying tons of illegally caught parrotfish [67].
In addition, Bruckner [34] reported illegal fishing boats at Serranilla island during the
“Global Reef Expedition” in 2011, and such boats were also observed during the present
“Seaflower Research Expedition” in 2017. Fishers have in recent years expressed concern
over the absence of large parrotfish in the lagoon as a result of overfishing [68].

Herbivorous fish biomass has been used as one of the indicators for evaluating reef
health. In the report on Mesoamerican reefs by the Healthy Reefs Initiative, they recorded
270 kg ha−1 of herbivorous fish on the healthier reefs compared with 83 kg ha−1 on reefs
in critical conditions [69]. In particular, a relationship has been reported between fishing
pressure and parrotfish biomass and size, making parrotfish abundance a useful biological
indicator of fishing pressure [63]. On a small island in the Caribbean, exploited reefs,
with areas open to artisanal fisheries, were found to have a parrotfish biomass of around
320 kg ha−1, with smaller parrotfish contributing most of this biomass (~200 kg ha−1).

We found that Serranilla BR had larger parrotfish than San Andrés, though the biomass
in Serranilla BR was nevertheless lower (143 kg·ha−1) than those values reported from
other Caribbean MPAs with adequate protection and low local human populations, in
which parrotfish biomass values can exceed 500 kg·ha−1 [70]. In contrast, in areas with
high local human population densities and inadequate protection, parrotfish biomass can
be rapidly reduced to 50 kg·ha−1 or less [22,29]. However, other factors may also influence
herbivorous fish abundance; for example, on the Alacranes reef, an MPA in the southern
part of the Gulf of Mexico, where human activities are restricted, and fishing pressure is
low, the values of parrotfish biomass were nevertheless relatively low (~58–128 kg h−1),
although the parrotfish present had larger sizes than those observed on Caribbean reefs [71].

As with many other species, small individuals have become a target of fisheries
due to the loss of larger individuals and the decline of other commercial fish species
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more generally, leading to decreased sizes [67]. Parrotfish size is likely related to reef
resilience [23,57], since larger individuals can remove more algae from the reef and have
more effect on benthic communities than smaller ones [24,29]. In the present study, we
found that 90% of the parrotfish species at Serranilla had smaller mean sizes than the
typical size reported in FishBase [38]. Notably, the observed mean size of S. viride and S.
chrysopterum were both below the size at first maturity (L50), as recorded in the Colombian
Caribbean [72], suggesting a higher fishing pressure at Serranilla than expected.

5. Conclusions

This study on Serranilla island, which is part of the Seaflower BR, has demonstrated
that the overall reef fish assemblage is spatially variable with habitat structure explaining
up to 66% of this variation [53,57]. In addition, focusing on the parrotfish and their sizes
has allowed us to compare sizes and biomasses of fish on Serranilla with those on San
Andrés. In combination, the results presented here, together with the intense illegal fishing
activities observed in the reserve and other drivers not considered in this study, highlight
the need to evaluate other factors that may influence reef fish biodiversity beyond structural
complexity [26,73]. Meanwhile biological and ecological information about the current
status of most of the key groups in the Seaflower BR remains scarce [67]. Maintaining
healthy reef ecosystems is becoming critical, especially in areas where human well-being
depends on coral reef ecosystem services, such as food production [73], so that the need for
effective management and active surveillance at the Serranilla MPA is urgent.

Supplementary Materials: The following are available online at https://www.mdpi.com/article/
10.3390/oceans2030034/s1, Figure S1: Serranilla Island and distances between islands (San Andres
415 km, Providencia 309 km, Jamaica 305 km), Figure S2: Mean observed fish sizes during census
at Serranilla Island (SI) compared with the common and maximum (Max) reported in FishBase,
Table S1: Site summary of the metrics of fish assemblages in Serranilla Island with average value
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Abstract: Throughout the Caribbean, coral reefs are transitioning from rugose, coral-dominated
communities to flat, soft coral-dominated habitats, triggering declines in biodiversity. To help mitigate
these losses, artificial structures have been used to re-create substrate complexity and support reef
inhabitants. This study used natural and artificial structures to investigate the factors influencing the
use of habitat by reef fish. During 2018 and 2019, divers added artificial structures and monitored
the fish assemblages associating with both the artificial structures and naturally occurring corals.
Overall, there were more fish on natural structures than on artificial structures. While structure shape
did not influence fish use, there was a non-significant trend for increased use of larger structures.
Fish observations did not differ across a gradient of shallow, complex reefs to deeper, flatter reefs;
however, analyses of feeding guilds revealed clearer patterns: herbivores and omnivores were
positively associated with low rugosity reefs where macroalgal abundance was higher, whereas
invertivores preferred more rugose reefs. These results suggest that as reefs lose structural complexity,
fish communities may become dominated by herbivores and omnivores. It also appears that the
addition of artificial structures of the type used here may not mitigate the effects of structure loss on
reef fish assemblages.

Keywords: reef ecology; reef fish; structure associations; artificial structures

1. Introduction

Coral reefs are amongst the most diverse and complex ecosystems in the ocean, de-
spite occupying less than 1% of the ocean floor [1,2]. The combination of soft and hard
structures creates an architecturally complex marine habitat that is heavily utilized by nu-
merous organisms and is considered to provide hotspots of diversity and endemism [3–6].
There are both structural and biotic components that make coral reefs multifaceted envi-
ronments, including rugosity [7–13], algae [8,9,14], hard coral morphology [15,16], and
emergent limestone ledges [17,18]; all of these have been described to increase reef fish
species diversity.

Caribbean coral reefs have been experiencing severe degradation due to continual
disturbances including, but not limited to, disease, sedimentation, and eutrophication,
which, together, are eliminating the complex landscapes [19,20]. In many areas, Caribbean
coral reef degradation far surpasses that of Indo-Pacific coral reefs, so the Caribbean has
become the focal area for studies analyzing the response of reef fishes to this rapid loss
of reef structural complexity. Long-term studies following species-specific responses to
coral decline found that 43 out of the 72 fish species censused had experienced declines
greater than 50% [21–29]. Other studies have found similar trends, with estimated density
losses of 2.7–6.0% per year [30], and with predictive models estimating continued losses
for particular functional feeding guilds such as invertivores in the years to come [31].
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To combat the loss of complex coral structures, artificial reef structures (ARs) have
been used to increase the physical complexity and substrate available to support reef
fish communities. There have been many studies that indicated a positive effect of ARs,
but these have identified that particular characteristics are necessary for this mitigation
strategy to be effective [32–39]. The overall height of ARs has a significant impact on
their effectiveness [36,40,41], while the size, surface area available, and complexity of ARs
appear to influence the diversity of reef fish across an entire reef [40–42]. In fact, some
artificial reefs have been observed to contain species assemblages that are more diverse
than those of natural reefs, leading to the conclusion that this method of intervention can
be successful [36,37,43–45].

Previous studies have assessed reef fish community responses to coral decline [6,24,27,29]
and the use of ARs [32,33,36,37,39], and predicted how reef fish communities may be struc-
tured in the future [31], but there is little research investigating how reef fish are utilizing
the structures that remain in the Caribbean. The goal of the present study was to in-
vestigate how reef fishes utilize both natural and artificial structures, identify structural
characteristics that may influence their use, and assess whether reef location and topo-
graphic complexity influence the use of structure by different functional feeding guilds.
Based on previous literature, we investigated the hypotheses that reef fishes would utilize
biotically complex natural structures more often than non-biotic artificial structures, that
height and surface area would be the most effective characteristics driving use, and that
reef fishes’ use of structures would be evident on reefs with higher rugosity but would
differ between different feeding guilds. By identifying heavily utilized structures and
their associated traits, we can better predict the reef fish community response to structural
declines and assess whether artificial structures can mitigate further losses.

2. Materials and Methods

2.1. Site Selection and Substrate Survey

Field surveys were conducted in the summers of 2018 and 2019 across 8 reef sites,
which varied in their distance from shore (1.62 to 8.86 km) and depth (3.0 to 8.1 m), in
the middle of Florida Keys National Marine Sanctuary (Figure 1). Depths were calculated
during the mid-tide transition using a depth finder on a boat when it was positioned over
the middle of the reef. Each reef area was surveyed using a permanent 50 m transect that
ran parallel to the primary axis of the reef, and 4 30 m transects that were laid perpendicu-
lar to and crossing the permanent transect at distances of 10, 20, 30, and 40 m, creating a
50 × 30 m grid. The substrate cover of the study area was recorded using digital pho-
tographs of 50 × 50 cm portions of the substrate, starting with 2 pictures on each side of the
permanent 50 m transect at 0 m, 2 pictures again at 10 m, at 20 m, at 30 m, at 40 m, and again
at 50 m (i.e., a total of 12 images per reef = 96 images for all reefs). Percent substrate cover
by the major substrates (hard corals, soft corals, sponges, fleshy algae, turf algae, calcareous
algae, sand) was estimated using 25 randomly selected points per photograph, with the
aid of Coral Point Count with the Excel extension [46]. Rugosity was measured 3 times on
each of the 4 30 m perpendicular transects using a chain and tape method. A 2 m chain was
placed along the side of the 30 m transect and the beginning and end chain measurements
were recorded and subtracted from each other. If a reef was flat, the chain would extend a
full 2 m on the transect tape, giving an overall measurement of low rugosity. If a reef was
more complex, the chain would not extend the full 2 m. The rugosity measurements for
each site (3 per 30 m transect × 4 per 30 m transects = 12 rugosity measurements) were
then averaged to obtain an overall rugosity across the site.
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Figure 1. Map to show the location of the eight study sites in the middle of Florida Keys, USA,
surveyed during the summers of 2018 and 2019. These eight sites are located inside the Florida Keys
National Marine Sanctuary.

2.2. Video Transect Surveys as an Assessment of Reef Fish Abundance

Some reefs are known to have more abundant and diverse reef fish communities,
and we suspected that this may affect how structures are used across a reef tract. We
therefore began by establishing a baseline of abundance across the 8 sites. To evaluate the
overall abundance and diversity of reef fish species within the functional feeding guilds
present at the 8 sites, 8 videos (~3–4 min) were captured along each of the perpendicu-
lar 30 m transects (2 videos per transect) between the hours of 900 and 1500. A diver
swam the length of the transect while holding a PVC camera frame with 2 forward-facing
GoPro cameras attached at heights of 30 cm and 100 cm above the substrate, so as to
capture both benthic and mid-water fish species. Each video was analyzed to identify
both the fish species present and any behavioral interactions with the substrate including,
but not limited to, using substrate for shelter or as a food resource. Fish species were
classified into one of four functional feeding guilds (Table S1): herbivores, omnivores,
invertivores, and piscivores [25,29,47]. Analysis of fish feeding guilds has been found
to be adequate for comparing reef fish community structures and can distinguish func-
tionally diverse communities from seemingly diverse communities that have functional
redundancy [48–50]. Although fish of the family Haemulidae are omnivores, they were sep-
arated into their own functional feeding guild—invertivores—because of their nocturnal
feeding activities and daytime use of the structure for rest.

2.3. Natural and Artificial Structures

On each of the 8 reef sites used for this study, 1 soft coral sea rod, and 2 healthy,
2 diseased, and 2 recently dead hard coral colonies were selected as the natural structures for
further monitoring (Figure 2). Thus, a total of 8 soft coral sea rods, 16 healthy, 16 diseased,
and 16 dead hard coral colonies were tracked across our 8 reef sites. The hard coral colonies
included five common boulder coral species (Colpophyllia natans, Montastraea cavernosa,
Orbicella faveolata, Porites astreoides, and Siderastrea siderea), whereas the soft coral was a
species from the family Plexauridae. “Sea rod”, “dead”, “diseased”, and “healthy” were
used as terms to refer to these different types of natural structure. In 2018, each of these
corals was tagged, photographed, and analyzed using ImageJ software to estimate the
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percent of live, diseased, and dead coral tissue. Estimated percent cover of dead, diseased,
or live tissue was converted into surface area using the surface area formula of a half-dome
(2 πr2), with the radius estimated as half the mean of the height, length, and width of the
coral. In 2019, the resulting 56 corals were re-photographed and re-analyzed to evaluate
any changes in tissue cover and surface area. Of the 16 diseased hard corals infected with
Stony Coral Tissue Loss Disease (SCTLD) in 2018, 15 had survived and were classified as
“healed coral colonies” for the purpose of the 2019 survey.

Figure 2. Reef fishes’ use of structures was monitored on natural and artificial structures. Natural
structures (top) included sea rods, and dead, actively diseased, and healthy boulder corals. Artificial
structures (bottom) included a control and three structures that were built to mimic historically
abundant natural structures including soft coral, boulder coral, and branching coral (elkhorn coral,
Acropora palmata).

Separately from the survey of the existing corals, at each reef site, 4 artificial reef
structures (ARs) were deployed, 1 of each of 4 different types, variously created out of PVC
piping, concrete, rope, tomato cages, and Vexar mesh (plastic coated wire grid) (Figure 2).
The 4 structures were designed to imitate different types of natural habitats. The first type
consisted of just 1 single length of PVC pipe standing up from a concrete block; this was a
structure that lacked physical complexity. The other artificial structures represented a soft
coral (created with PVC arms and frayed rope), a boulder coral (created with Vexar mesh
around a tomato cage), and a branching elkhorn coral (created with arms wrapped in Vexar
extending out from the center) (Figure 2). These different types of artificial structure were
referred to as “control”, “soft”, “boulder”, and “elkhorn” respectively. These 4 artificial
structures were designed to assess which characteristic (holes, surface area, edge space),
if any, influenced use by the reef fish community. These artificial structures were similar
in height (100 cm) and diameter (20–100 cm) to the natural boulder hard corals (height
25–200 cm and diameter 30–150 cm) and natural sea rod soft corals (height 30–125 cm and
diameter 30–100 cm) present on the reef. In 2018, the artificial structures were deployed,
left to acclimate for 2 weeks, surveyed, then removed from the site. In 2019, the artificial
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structures were redeployed for 2 weeks and surveyed again before being removed. The
2-week deployment and removing schedule was set to minimize the amount of biotic
build up on the artificial structures as well as to avoid the potential for reef damage from
breakage during the hurricane season.

2.4. Reef Fish Observations on Individual Structures

Reef fishes’ use of each individual structure was estimated using time-lapsed video-
photography. A single, anchored GoPro was placed facing the structure and set to take
a picture every minute for 60 min, the maximum time possible, given the power of the
batteries. The camera was mounted 50 cm above the substrate and 150 cm away from
the center of the structure. Every photograph after the first 5 min except the last 5 min
was analyzed for fish species and for the relation of the fish to the structure (near or far).
Only the photos captured after the first 5 min and before the final 5 min were analyzed to
avoid any diver influence on reef fishes’ use of the structure. Juvenile and adult fishes were
treated the same for this study. Only those fish near the camera and directly above, below,
beside, or in front of the structure were considered to be associated with it. These observed
fish were then assigned to the 4 functional feeding guilds referred to above (Table S1). Since
observations could be influenced by multiple images of the same individual, we considered
the individual structure surveys as a measure of coral use rather than an estimate of
fish abundance.

Over the course of 2 summers, we visited the 8 reefs once per year, recording 64 ar-
tificial structures and 112 natural structures so as to obtain 10,496 photos, resulting in
29,279 fish observations. After eliminating those fish considered not to be directly in the
vicinity of the structure, our dataset consisted of 18,881 counts of 109 species of fish from
31 families, divided among the 4 functional feeding guilds as follows: 6047 individual
herbivores from 23 species, 6225 individual omnivores from 48 species, 5725 individual
invertivores from 12 species, and 884 individual piscivores from 26 species (Table S1).

2.5. Statistical Analyses

We performed a mixed-model ANOVA for all reef fishes and each functional group
of fish against structure type as the main effect, with site as a random factor. Since all
models indicated a significant effect of site on reef fish counts, we performed a principal
component analysis to create orthogonal component scores that characterized the sites by
their physical distance from shore, depth, rugosity, algal, soft coral, hard coral, and sponge
substrate covers. The three most significant component scores from this analysis accounted
for 72.8% of the variation in physical traits (PC 1 = 35.1%, PC 2 = 27.0%, PC 3 = 10.7%) and
were included in the ANCOVA as covariates. We then analyzed fishes’ use of the structures,
using a nested analysis of covariance with structure state (artificial or natural) and structure
type (control, soft, boulder, elkhorn, sea rod, diseased, dead, or healthy) nested within
structure state as the fixed effects, and fish abundance from the video transect surveys
and the three component scores as covariates. The first principal component score was
the only covariate positively correlated with either of the main effects, so we included
an interaction term of PC1 and structure state in our ANCOVA model. We used Tukey’s
post-hoc comparisons to estimate differences within structure states.

Observations at each structure (n = 177) were natural log-transformed to meet the
assumptions of normality of the residuals and homogeneity of the variances. ANCOVAs
were performed separately on the log-transformed counts for all reef fishes together and
on the log-transformed counts of each fish feeding guild considered separately (herbivores,
omnivores, invertivores, and piscivores). We also conducted ANCOVAs on the five most
abundant fish species: bicolor damselfish (Stegastes partitus), striped parrotfish (Scarus iseri),
white grunts (Haemulon plumierii), blue-striped grunts (Haemulon sciurus), and schoolmaster
snapper (Lutjanus apodus). Linear regressions were used to relate fish counts to measures of
hard coral height and to percent cover of live and diseased tissues, as estimated using JMP
Pro 14.1.0 software.
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3. Results

The reef fish abundances (video transect survey) on the reef sites varied significantly
by reef. The eight reef sites differed in rugosity (0.046 to 0.410), hard coral cover (0.0 to
21.4%), soft coral cover (0.0 to 27.7%), sponge cover (1.0 to 15.5%), fleshy algae cover
(0.0 to 86.4%), calcareous algae cover (0.0 to 13.8%), turf algae cover (8.4 to 63.4%) and
sand cover (0.0 to 42.7%). The differences in abundance (video transect survey) per site
accounted for 76.9% of the variance in the use of natural structures (structure survey) and
78% of the variance in the use of artificial structures (structure survey) (Table S2). There
was no significant effect of year on the use of the structures by the reef fish on either the
natural (F = −1.4376, df = 1.279, p = 0.1517) or artificial structures (F = −1.5778, df = 1.127,
p = 0.1171). The total number of reef fishes using the natural structures was signifi-
cantly more than the total number of reef fishes using the artificial structures (F = 5.8812,
df = 1.166, p = 0.0164) (Figure 3). There was, however, no statistically significant preference
for a single type of structure, although diseased colonies had the most individuals asso-
ciated with them and the soft artificial structures had the least. There were significantly
more omnivore (F = 5.6278, df = 1.155, p = 0.0189) and invertivore individuals (F = 6.5732,
df = 1.123, p = 0.0116) preferring natural structures over artificial structures; they preferred
natural sea rod structures the most, although not significantly so. Herbivore use of the
structures was not significantly influenced by the overall state of the structure (artificial
versus natural) (F = 1.7337, df = 1.162, p = 0.1898), but utilized particular structure types
significantly more than others, using diseased coral heads significantly more than any
other structure type, and used natural sea rod structures the least. There was no significant
effect of structure state or type on the number of piscivorous fishes (F = 0.2082, df = 1.115,
p = 0.6491).

The data for the fish species that were most prevalent in the functional feeding guilds
were analyzed to determine the reef characteristics that appeared to influence their use of
habitats. Among the herbivores, the presence of bicolor damselfish (Stegastes partitus) was
strongly correlated with low-complexity reefs (offshore) (F = 11.3251, df = 1.92, p = 0.0011).
Striped parrotfish (Scarus iseri) were observed significantly more around natural and
artificial structures when their abundance on the reef (video transect survey), as observed
in the video transect surveys, was high (F = 8.2186, df = 1.84, p = 0.0052). This was also
the pattern observed with the two most frequent invertivore species: blue-striped grunts
(Haemulon sciurus) (F = 6.8165, df = 1.57, p = 0.0115) and white grunts (Haemulon plumierii)
(F = 14.0461, df = 1.85, p = 0.0003). The most common piscivore was the schoolmaster
snapper (Lutjanus apodus), which was significantly more numerous at natural structures
(F = 6.3776, df = 1.27, p = 0.0117) than at artificial structures. The omnivores were mostly
represented by bluehead wrasses (Thalassoma bifasciatum), which were also more numerous
at natural structures than at artificial structures (F = 16.5063, df = 1.129, p < 0.0001) and at
the low-complexity offshore sites (F = 4.6595, df = 1.129, p = 0.0327).

The principal component analysis identified three axes which best summarized reef
character and substrate composition (Table 1). The first component score (PC1) accounted
for 35.1% of the variation and loaded positively with both distance from the shore and
depth, but negatively with physical rugosity. The axis characterized reef structural dif-
ferences between nearshore and offshore reefs in the middle Keys [51–53]. The second
component score (PC2) accounted for 27.0% of the variation and loaded positively with cal-
careous algae/sand cover and negatively with fleshy/turf algae cover. The third component
score (PC3) accounted for 10.7% of the variance and loaded positively with sponge/hard
coral cover and negatively with soft coral cover. The three component scores were used to
evaluate whether fishes’ use of structure varied with differences in the physical structure,
algal substrates, or hard/soft coral substrate.
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Figure 3. Log n (ln) mean per structure of the counts for all reef fishes combined (gray) and for each functional group—
herbivores (green), omnivores (orange), predators (blue), and invertivores (yellow)—obtained during the time-lapse
photography observations on the different natural and artificial corals. Error bars are ±1 SEM. Differences in the letter
located over each bar indicate when values were shown to be statistically different from one another by Tukey’s post
hoc comparisons.

Table 1. Principal component score correlations for reef substrate measures. Bold indicates loadings
with p < 0.05.

Measures
PC 1
Topo

PC 2
Algal Cover

PC 3
Coral Cover

Rugosity −0.8573 −0.0397 −0.1667
Distance to shore 0.9207 0.1501 0.0139

Depth 0.7603 0.2546 0.0807
% Sand 0.2249 0.8930 −0.1249

% Fleshy algae 0.7219 −0.5776 −0.0785
% Calcareous −0.2716 0.7073 −0.0971
% Turf algae −0.0191 −0.8884 0.2747
% Hard coral −0.4116 0.2856 0.3895
% Soft coral −0.3962 −0.3304 −0.7455
% Sponge −0.6138 −0.0196 0.4706
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We included four covariates in the ANCOVA model for fish use on individual struc-
tures including fish abundance (as estimated by video transect surveys), PC1 topogra-
phy, PC2 algal cover, and PC3 coral cover (Figure 4). The fully fitted ANCOVA for all
reef fishes combined was significant (F = 3.04, df = 12,164, p = 0.0007) with an adjusted
r2 = 0.122 (Table 2). Four factors significantly contributed to the model: reef fish abundance
on the video transects (F = 5.62, df = 1, p = 0.0189, estimate = 0.531), structure state (whether
artificial or natural) (F = 10.24, df = 1, p = 0.0015, estimate (artificial) = −0.3601), topography
(PC1) (F = 7.182, df = 1, p = 0.0058, estimate = 0.2793), and the structure type by rugosity
interaction (F = 6.495, df = 1, p = 0.0117, estimate = 0.2427).

Table 2. Nested analysis of covariance with fish abundance (from video transect surveys), topography,
algal cover, and coral cover as covariates and structure type (control, soft, barrel, elkhorn, sea rod,
dead coral, diseased coral, and healthy coral) nested within structure state (natural versus artificial).
Bolded values indicate significant values.

Variable Source Df F Ratio p adj r2

All Fish All Fish # 1 5.620 0.0189 0.122
Topography (PC1) 1 7.182 0.0058

Algae (PC2) 1 0.163 0.6867
Coral (PC3) 1 1.071 0.3021

Structure Type 1 6.495 0.0117
Structure State 6 10.24 0.0015

Herbivores Herbivore # 1 8.412 0.0042 0.1844
Topography (PC1) 1 17.25 0.0001

Algae (PC2) 1 1.536 0.2169
Coral (PC3) 1 0.909 0.3417

Structure Type 1 1.733 0.1898
Structure State 6 2.523 0.0232

Omnivores Omnivore # 1 0.964 0.3275 0.1909
Topography (PC1) 1 28.691 0.0001

Algae (PC2) 1 0.020 0.8876
Coral (PC3) 1 0.470 0.4938

Structure Type 1 5.627 0.0189
Structure State 6 0.463 0.8344

Invertivores Invertivore # 1 8.169 0.0050 0.3227
Topography (PC1) 1 11.78 0.0008

Algae (PC2) 1 0.224 0.6381
Coral (PC3) 1 0.627 0.4300

Structure Type 1 6.573 0.0116
Structure State 6 0.968 0.4499

Predators Predator # 1 5.882 0.0170 0.1106
Topography (PC1) 1 1.231 0.2697

Algae (PC2) 1 0.957 0.3300
Coral (PC3) 1 0.255 0.6143

Structure Type 1 0.208 0.6491
Structure State 6 0.743 0.6163
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Figure 4. Linear regressions of mean numbers of fish observed (log-transformed) for the structure surveys within a reef site
versus the three component scores that best describe the reef characteristics. The three component scores, from left to right,
are topography (PC1), algae (PC2), and coral cover (PC3). The specific loadings of the reef measures for each component
score are in Table 1. Graphs include all reef fish combined (gray), herbivores (green), omnivores (orange), invertivores
(yellow), and predators (blue).

Nested ANCOVAs for each separate feeding guild of fish revealed differences in
the use of the structures among fish guilds. For herbivores, the fully fitted ANCOVA
was significant (F = 4.55, df = 11,162, p < 0.0001) with an adjusted r2 = 0.184 (Table 2).
Three factors significantly contributed to the model: herbivore abundance in the video
transect surveys (F = 8.41, df = 1, p = 0.0042, estimate = 0.5265), topography (F = 17.25, df = 1,
p < 0.0001, estimate = 0.2217), and the type of natural structure (F = 2.52, df = 1,
p = 0.0232) (Table 2). Herbivore use of the structures demonstrated a strong negative
relationship with reef rugosity (or a positive relationship with deeper, offshore reefs) but
no relationship with algal cover (Figure 4). For the omnivores, there were two factors that
significantly contributed to the model of structure use: depth/rugosity (F = 28.69, df = 1,
p < 0.0001, estimate = 0.3757) and structure state (F = 5.62, df = 1, p = 0.0189, estimate
(artificial) = −0.3195) (Table 2). Omnivores demonstrated a strong negative relationship
with reef rugosity (or a positive relationship with deeper, offshore reefs) (Figure 4). For
invertivores, three factors significantly contributed to the model of structure use: in-
vertivore abundance observed in the video transect surveys (F = 8.16, df = 1, p = 0.0050,
estimate = 0.3742), topography (F = 11.78, df =1, p = 0.0008, estimate = −0.3693), and struc-
ture state (artificial or natural) (F = 6.57, df = 1, p = 0.0116, estimate (artificial) = −0.4964)
(Table 2). In contrast to the findings for herbivores and omnivores, invertivores’ use of the
structures demonstrated a strong positive relationship with reef rugosity (or a negative
relationship with deeper, offshore reefs) (Figure 4). The abundance of piscivores across the
video transect surveys was the only factor that significantly contributed to the model of
structure use (F = 5.88, df = 1, p = 0.0170, estimate = 0.2663) (Table 2 and Figure 4).
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4. Discussion

We found that there were no significant effects of rugosity, hard coral cover, soft coral
cover, or algal cover on total reef fish and functional feeding guild abundance across our
sites. This is different from previous studies that found a greater abundance and diversity
of fishes on reefs that have higher hard coral cover and structural complexity [29]. There
are several factors that could explain this unexpected finding. First, some studies have
found that reef fish abundance generally increases with depth [54]. Second, the shallow-
water nearshore habitats of the middle Florida Keys experience a great deal of disturbance,
such as nutrient loading or extreme temperatures [55,56], so that there is a possibility of a
delayed response of the reef fish community to decades of continuous perturbations [57].
Alternatively, it may be that our methods were not sensitive enough to detect an effect; for
example, the acclimation period may not have been long enough, or the artificial structure
not large enough to influence fish distribution.

We found that the natural structures were used by fish significantly more than the
artificial structures, even though these were designed to mimic the size and shape of the
available natural structures. Previous studies have also found that artificial reef structures
(ARs) built with numerous distinct holes and crevices were unsuccessful overall [58]. Such
studies have also suggested that artificial structures are used mostly at night, a possibility
that we did not investigate with our artificial structures [59]. Evidence has also suggested
that fish are attracted to the auditory and chemical cues of living hard corals, so the lack of
cues from the artificial structures might explain the low rates of use [60,61].

Unsurprisingly, the abundance of fishes on each reef (video transect survey) accounted
for more than half of the variance found in the structures’ associations. There were more
fish using the structures when there were more fish available on the reef. Generally, reef fish
used natural structures significantly more than artificial ones, but, surprisingly, the types of
natural (sea rod, dead, diseased, and healthy hard corals) or artificial (control, soft, boulder,
and elkhorn) structures did not influence fishes’ use. Natural structures, on average,
had similar heights and total surface area to our artificial structures, which suggests that
differences in observations of use were not strictly due to space competition. However, the
natural structures were covered with living organisms and algae and provided more food
than our artificial structures. The small amount of biota could explain why the artificial
structures were used significantly less than natural structures [9,14]. Moreover, these
differences in the resources available on artificial and natural structures could affect reef
fish habitat specialists differently from habitat generalists (Table S2) [29]. We found that
artificial structures were occupied more on low-rugosity sites than on high-rugosity sites.
This supports previous observations that artificial structures have their greatest impact in
environments with fewer structures [62,63].

Further characterization of structure use by different functional feeding guilds re-
vealed other important patterns not apparent from the analysis of use by all reef fishes
combined. Herbivore observations on natural and artificial structures were lower on
shallow reefs with high rugosity, but they significantly preferred diseased corals over
sea rods. This may be due to the surfaces on the coral heads being newly opened for
turf algal colonization, a preferred foraging substrate for all parrotfish species, which
commonly inhabit these reefs [51]. Alternatively, the newly available coral tissue could
be providing nutritional benefits or a greater concentration of autotrophic organisms that
attracted parrotfish foragers [64]. Herbivores on artificial structures were not significantly
different from on natural structures, perhaps because after 2 weeks, we observed that the
artificial structures had accumulated enough biofilm to be a suitable foraging substrate
(Figure 3). The functionally important role that parrotfish play on Caribbean coral reefs is
well understood [65,66], and our study suggests that with the flattening of reefs, the reefs
of the future may see a decline in parrotfish abundance.

Piscivores rarely used either natural or artificial structures and were unrelated to
any of the three component scores of reef substrate. This is unsurprising, due to previous
findings that piscivore abundance is associated more with prey availability than any habitat
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characteristic [67,68]. In contrast, omnivores used natural structures significantly more
than artificial structures and decreased structure use on shallow reefs with high rugosity, a
response that has been predicted in recent models [31]. However, omnivores’ preference
for low-rugosity reefs contradicts previous literature that has found that all feeding groups
tend to be positively associated with increased complexity [11–13,69]. We expected that
rugosity and hard coral cover would be correlated [25], but found that rugosity was not
a function of hard coral cover. Presently, the reefs in the Florida Keys are composed of
scattered boulder corals, abundant soft corals, and limestone ledges. Additionally, with
the recent outbreak of stony coral tissue loss disease, there has been a decrease in live hard
coral cover but a lingering presence of dead hard coral structures [70]. With time, overall
rugosity and the presence of scattered boulder corals will continue decreasing as dead
coral heads begin eroding away.

Similarly, invertivores used natural structures significantly more than artificial struc-
tures, but in contrast to the herbivores and omnivores, they increased on shallow reefs with
greater rugosity. This suggests that grunts may be the one feeding guild most impacted
by the loss of structural complexity and the flattening of the reef. This relationship is best
explained by the reef component score associated with rugosity rather than the component
score associated with hard coral cover, which suggests that it is physical habitat that matters
more to grunts than the health status of the coral. Invertivores often depend on finer-scale
shelters for their prey species to occupy and would explain why they, and their prey, would
be negatively impacted by structural loss [71]. This negative response of invertivores to
reef decline has been predicted as a response to climate change according to predictive
climate change models [31].

All guilds had a predominant species that did not mirror the pattern of the rest of
the guild. Bicolor damselfish (Stegastes partitus), striped parrotfish (Scarus iseri), blue-
striped grunts (Haemulon sciurus), white grunts (Haemulon plumierii), schoolmaster snapper
(Lutjanus apodus), and the bluehead wrasses (Thalassoma bifasciatum) had a disproportionate
representation within their associated functional feeding guilds, but their patterns did
not parallel the overall effect observed within their guild. Their presence may be due
to their being habitat generalists, equally at home in hard coral- or soft coral-dominated
reefs [67,72]. The reduced structure use by the bicolor damselfish, striped parrotfish, or
bluehead wrasses could be explained by the higher abundance of piscivores, although
we did not observe an increase in piscivore presence, even though these habitats had an
abundance of prey, which should have driven their numbers up [67,68,71,72].

Our results suggest that use of structures, both natural and artificial structures, differs
among reef fish functional feeding guilds. If the low-rugosity reefs with low hard coral
cover are representative of the future reefs of the middle Florida Keys, we would predict a
shift in reef fish community with increasing proportions of herbivores and omnivores, and
a decreasing proportion of invertivores. These results can be used as a predictive model for
reef fish community responses to changes in reef composition and may be useful in the
design of future marine protected areas needed to preserve feeding guilds critical to the
recovery of hard corals. Future studies should examine how the relative abundance of fish
functional feeding guilds changes in response to this transition from hard-coral-dominated
to soft-coral-dominated reefs in the middle Florida Keys.

Supplementary Materials: The following are available online at https://www.mdpi.com/article/
10.3390/oceans2030036/s1. Table S1: Species included in this study, their functional feeding
guild, their presence (Y or N) at artificial and natural structures, and their habitat use. Artificial
structures = soft coral mimic (SC), control structure (C), boulder coral mimic (BC), and elkhorn coral
mimic (EC). Natural structures = sea rods (SR), dead corals (DC), infected diseased corals (IC), and
healthy corals (HC). Fish are separated into generalist or specialist habitat use classifications [29].
Table S2: Percent presence of generalist versus specialist species observed for the four artificial
and four natural shelter types for each functional feeding guild. Artificial structures = soft coral
mimic (SC), control structure (C), boulder coral mimic (BC), and elkhorn coral mimic (EC). Natural
structures = sea rods (SR), dead corals (DC), infected diseased corals (IC), and healthy corals (HC).
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Abstract: Coral reefs are one of the most diverse marine ecosystems, providing numerous ecosystem
services. This present study investigated the relationship between coral reef condition and the
diversity and abundance of fishes, on a heavily fished East African coral reef at Gazi Bay, Kenya.
Underwater visual censuses were conducted on thirty 50 × 5 m belt transects to assess the abundance
and diversity of fishes. In parallel, a 25-m length of each of the same transects was recorded with
photo-quadrats to assess coral community structure and benthic characteristics. For statistical
analyses, multi-model inference based on the Akaike Information Criterion was used to evaluate
the support for potential predictor variables of coral reef and fish diversity. We found that coral
genus richness was negatively correlated with the abundance of macroalgae, whereas coral cover was
positively correlated with both the abundance of herbivorous invertebrates (sea urchins) and with
fish family richness. Similarly, fish family richness appeared mainly correlated with coral cover and
invertebrate abundance, although no correlates of fish abundance could be identified. Coral and fish
diversity were very low, but it appears that, contrary to some locations on the same coast, sea urchin
abundance was not high enough to be having a negative influence on coral and fish assemblages.
Due to increasing threats to coral reefs, it is important to understand the relationship among the
components of the coral reef ecosystem on overfished reefs such as that at Gazi Bay.

Keywords: coral reef ecosystem; coral reef resilience; global warming; climate change; overfishing;
indicator species

1. Introduction

Coral reefs are one of the most diverse marine ecosystems, providing numerous ecosys-
tem services to millions of inhabitants of tropical countries. More than 500 million people
depend on coral reefs [1–4]. Together with functionally and ecologically linked mangrove
habitats and seagrass meadows, coral reefs likely support the highest marine biodiversity
in the world [5–7]. The complex reef system is mainly built by scleractinian corals which
can only survive a narrow range of environmental variation, and hence are vulnerable to
many kinds of disturbance [8]. Most of the world’s reefs are threatened by human activi-
ties [4,9–11], which have exacerbated a background of otherwise natural impacts, such as
those caused by diseases, outbreaks of invasive species, storms, or sedimentation [10,12–15].
In addition, coral bleaching now represents a major threat to coral reefs, whereby corals
expel their zooxanthellae and associated pigments, due to high sea temperatures, slow
water movement, or extreme UV exposure [2,16–19].

A fundamental goal of ecology is to understand how organisms interact with other
species of organisms and their physical environment, providing among other things an
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explanation of variation in species richness [20]. The present study aimed to explore the
relationship between the condition of coral reefs and the abundance and the diversity
of reef fishes and sea urchins in an area known to be subject to heavy fishing pressure,
but where herbivorous invertebrates, such as sea urchins, are not subject to these fishing
practices [21]. In studying coral reefs, the abundances of key organisms have frequently
been used as indicators of reef health. For example, a low abundance of corals or fishes,
or a high abundance of algae, seagrass, or other soft-bodied organisms, have been taken
to indicate the degradation of a reef area [10,15,22,23]. Because herbivores (both fish and
invertebrates, such as sea urchins) play an important role in maintaining the coral–algae
balance on a reef and in creating an appropriate substrate for coral recruitment [3,24–31],
overfishing of herbivores can lead to a decline in their grazing capacity and cause a phase
shift resulting in algal rather than coral dominance [7,26,29,32]. Corallivores have also often
been used as indicators of reef health because of their usually positive relationship with
live coral cover and negative correlation with macroalgae cover [33–36]. The abundance
of corallivores is presumed to be a good indicator of a healthy reef, although, in cases of
extreme corallivory, an abundance of predators may result in loss of corals or make the
corals more susceptible to other stressors, such as thermal stress or the spread of diseases,
as the coral is already debilitated [37–39]. In addition, physical or chemical variables, such
as salinity or turbidity, may affect the status of a reef and are often monitored [40].

In summary, many variables can have an impact on the condition of a coral reef, but
the effects may vary at different locations [40–44]. The present study was conducted both to
evaluate the condition of coral reefs in Gazi Bay, Kenya, and to investigate the relationships
between coral diversity, fish diversity, and other reef variables (e.g., seagrass abundance,
macroalgae abundance, or sea urchin abundance) at this particular location. Additionally,
we gathered information about local fishing practices.

2. Materials and Methods

2.1. Study Region and Sites

The study was conducted on coral reefs at Gazi Bay, adjacent to Gazi Village (4◦26′ S,
39◦30′ E), a small fisher village located on the south coast of Kenya, about 45 km south of
Mombasa [45] (Figure 1). The inner (northern) part of the bay is fringed by mangroves and
seagrass meadows. The open sea lies to the south, while to the south-east, extending south
from Chale Island, a submarine promontory known as Chale Reef supports the coral reef
community that was the subject of this study. The reefs inside this lagoon are all relatively
shallow, not exceeding 5 m in depth. The area is open to fishing and no form of protected
area exists in the vicinity, so there has been increasing concern that fishing pressure is
affecting the reefs. Although reef fish are known to be heavily exploited by local fishers, so
far as it is known, reef invertebrates such as sea urchins are not exploited locally. Mean
ambient air temperature and water temperature were both approximately 28 ◦C in October
and November 2018 when the work was undertaken.
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(A) (B) 

Figure 1. (A) Location of the study region on the southern Kenyan coast of East Africa; the scales
indicate latitude south of the equator and longitude east of the prime meridian. Color on land
indicates altitude. (B) Aerial image of Gazi Bay showing the location of the ten study sites: Chale
1 (C1), Chale 2 (C2), Doa Lower (DL), Doa Upper (DM), Kijamba Mkandi (KM), Kiziwa Kule (KZ),
Kukuni (KK), Mikingamo (MG), Mikingamo 2 (ZM), Mwandamo (MD) (Satellite image © Google).

2.2. Monitoring of Coral Reef Fishes and Corals

Corals and fishes were surveyed at ten different reef sites on Chale Reef, with some
transects on the seaward side of the reef and some on the landward side to provide a
range of different reef conditions. Within each site, three belt transects of 5 × 50 m were
placed haphazardly, but mostly parallel to the shore. Transects were located at least
150 m apart so as to achieve reasonable independence of the samples. Sampling was
conducted around low tide (<70 cm) to provide standardized assessment conditions, while
time of day and weather conditions varied through the study. During each survey, one
person snorkeled in front, counting fishes using established underwater visual survey
methodology [46], while a second person swimming behind laid out a 50 m tape along
a track following the first snorkeler (this sequence was followed to avoid the fish being
disturbed before they could be counted). For this study, eight fish families, which are
known indicators of coral reef biodiversity, were preselected for the census: Scaridae,
Acanthuridae, Siganidae, Ephippidae, Pomacanthidae, Chaetodontidae, Lutjanidae, and Serranidae,
all of which are moderately speciose on Kenya’s southern coast [47]. Additionally, on the
first half of the transect (25-m length) the hard corals were identified to genus level and the
colonies counted.

2.3. Benthic Analyses

After counting fish, the first half (25 m length) of each transect was investigated to
assess the substrate cover of corals, turf, and macroalgae and seagrass, and of other benthic
organisms such as sea urchins. Photos of the substrate were taken from 1 m above the sea
floor surface, with five photos being taken at intervals of 5 m per transect (camera: Canon
Powershot G7 X Mark II with the Fantasea underwater housing). Because of limitations
of time and resources, only a limited number of replicate quadrats could be sampled in
this way. The photos of the benthos were analyzed with the assistance of the Coral Point
Count (CPC) software [48]. The program was set to generate 25 random points on each
image, the substrates below each of which were then classified by the observer into 16 major
benthic categories. From these values the percentage substrate covers of the following
benthic categories were then calculated: “hard coral” (HC), “soft coral” (SC), “rubble”
(RUB), “seagrass” (SGR), “sand” (SND), “macroalgae” (AMAC), “turf algae” (ATRF),
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“Halimeda algae” (AHAL), “dead coral” (DC), “recently dead coral” (RDC), “bare substrate”
(BS), “unidentified/others” (UNID/OT), and “obstacles/tape/shadows” (OBS/TWS), in
addition to the abundance of “herbivorous invertebrates” (INV), specifically of echinoids
(sea urchins).

2.4. Statistical Analysis

Statistical analyses were performed in the R software 3.4.4 (R Core Team, Vienna,
Austria) [49] using the R packages “readxl”, “gdata”, “MuMIn”, “mgcv”, “reshape2”,
“tiff”, and “nlme”. Linear models (lm) were used to identify the key predictors of fish
abundance and fish family richness and of coral cover and coral genus richness. For overall
fish abundance and fish family richness (i.e., the number of fish families recorded), we
tested the proportional cover of the main substrate variables, “macroalgae”, “turf algae”,
“herbivorous invertebrates”, “seagrass” and “coral”, as predictor variables. For coral
cover and coral genus richness (i.e., the number of coral genera recorded) we used the
same substrate variables, “macroalgae”, “turf algae”, “herbivorous invertebrates”, and
“seagrass”, and also “fish abundance”, and “fish family richness” were tested as predictor
variables. The herbivorous invertebrate data was logn+1 transformed (as is often done with
zero biased data) in order to increase linearity between predictor and response variables and
to increase normality of model residuals. To evaluate the support for different combinations
of predictor variables, the dredge-function of the “MuMIn” R package was used. For each
model, the Akaike Information Criterion (AIC) was derived, which evaluates models based
on model fit and model complexity [50]. As the sample size was relatively low compared
to the number of estimated parameters, the AIC with a second-order bias correction (AICC)
was used. Using AICC-based model selection, the best linear models were selected for
explaining fish abundance, fish species richness, coral cover, and coral genus richness. The
best model was considered to be the one with the lowest AICC ranking [50].

3. Results

In total, 213 fishes from seven of the eight indicator families and 845 hard coral colonies
from 22 genera were recorded. Across all sites, the Acanthuridae (surgeon fishes) were the
dominant family in terms of individuals, followed by the Chaetodontidae (butterflyfishes).
From the other families, relatively few individuals were recorded (Table 1).

Table 1. Mean number of fish families per site ± standard deviation.

Chale 1 Chale 2
Doa

Lower
Doa

Upper
Kijamba
Mkandi

Kiziwa
Kule Kukuni Mikingamo Mikingamo 2 Mwandamo

Acanthuridae 4.0 ± 2.6 0.0 0.0 0.0 18 ± 4.0 0.7 ± 1.2 6.0 ± 7.9 2.0 ± 1.7 6.0 ± 5.3 3.0 ± 1.7
Chaetodontidae 4.3 ± 3.1 0.7 ± 1.2 0.0 0.3 ± 0.6 2.0 ± 1.7 1.0 ± 1.7 7.7 ± 7.1 2.0 ± 1.7 5.0 ± 5.0 1.7 ± 1.2
Ephippidae 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 1.0 ± 1.7 0.0
Lutjanidae 0.0 0.0 0.0 0.0 1.3 ± 2.3 0.0 1.0 ± 1.7 0.0 0.0 0.7 ± 1.2

Pomacanthidae 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.3 ± 0.6
Scaridae 0.0 0.0 0.0 0.0 0.0 0.0 0.3 ± 0.6 0.0 1.3 ± 1.2 0.0

Siganidae 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.0 0.3 ± 0.6 0.3 ± 0.6

For corals, the most abundant genera were massive Porites followed by Acropora
(Table 2). The benthic analyses showed a dominance of macroalgae and turf algae at all
sites (Table 2). Hard corals, sand, seagrass, and rubble also formed a large part of the
benthos, whereas herbivorous invertebrates (mainly sea urchins), Halimeda algae and soft
corals were less abundant (Table 3).
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Based on the Akaike Information Criterion (AICC), the best supported model for
coral genus richness was one in which seagrass and macroalgae both had negative ef-
fects (Table 4). Coral genus richness doubled as macroalgae cover dropped from 69 to 2%
(Figure 2A). The data indicated, on average, a loss of one coral genus for every additional
20% increase in the cover of macroalgae. Coral genus richness was similarly negatively
related to seagrass substrate cover (Figure 2B). In the second- and third-best models, the
presence of turf algae had an additional negative effect on coral genus richness (Table 4). In
the best supported model of the factors influencing coral cover, (log-transformed) herbiv-
orous invertebrate abundance and fish family richness both showed significant positive
effects (Table 4). On average, there were twice as many corals on the transects where
invertebrate numbers were the highest compared to those where it was lowest (Figure 2C).
Similarly, we observed a significant increase in coral cover with increasing fish species
richness (Figure 2D). However, in the second-best model, it was fish abundance instead of
the fish family richness that showed a positive relationship. In the third model, turf algae
cover had an additional negative impact (Table 4).

Table 4. Results of the AICC based model selection for the environmental variables coral genus
richness (CGR) and coral cover (CA), using the predictor variables AMAC (macroalgae), ATRF (turf
algae), FABUND (fish abundance), FFM (fish family richness), Lg1(INV) (log-transformed herbivorous
invertebrate abundance), and SGR (seagrass). ‘*’ p < 0.05; ‘**’ p < 0.01; ‘.’ 0.05 < p < 0.10. Successive
lines show the results for the best supported, and second- and third-best supported models.

Response AMAC ATRF FABUN FFM Lg1(INV) SGR AICC R2

CGR −0.5676 ** −0.3010 . 146.1 0.3581
−0.8815 ** −0.4119 −0.4850 * 146.2 0.4139
−0.5195 ** 147.3 0.2698

CA 0.3333 * 0.3908 * 0.5389 ** 247.0 0.3573
−0.1330 0.4886 ** 248.6 0.3211

0.3968 * 0.6091 ** 249.3 0.3702

Fish family richness was best explained by a model in which coral cover had a positive
impact, whereas herbivorous invertebrate abundance had a negative impact (Table 5). Fish
family richness tripled along a gradient of coral cover from 2 to 69 percent (Figure 3A),
whereas there were approximately twice as many fish species on sites with low invertebrate
abundance as on those with high abundance (Figure 3B). In the second-best supported
model, seagrass cover appeared to have an additional negative impact, whereas in the third-
best model coral cover alone influenced the family richness of fish. In the best model for
fish abundance (Table 5, Model B), macroalgae and coral cover both had positive effects on
fish abundance. There were more than twice as many fish on the most coral rich site as on
the least coral rich site (Figure 3C), while fish abundance also doubled along a gradient of
macroalgae cover from 1 to 69% (Figure 3D). The second-best supported model explaining
fish abundance showed a negative impact of turf algae and seagrass, whereas the third-best
model contained only the positive impact of macroalgae abundance.
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Figure 2. Relationship of different substrate variables to coral genus richness and coral cover at the
reefs in Gazi Bay. Black lines correspond to model prediction analysis, orange lines represent the
estimates derived from multiple regression analysis. Coral genus richness decreased with increasing
macroalgae (A) and seagrass cover (B). Coral cover increased with increasing herbivorous invertebrate
abundance (C) and fish family richness (D). Grey data points show individual values on each of
the 30 transects. The dashed line indicates that parameter estimates are only marginally significant
(0.05 < p < 0.10).

Table 5. Results of the AICC based model selection for fish family richness (FFR) and fish abun-
dance (FA) using the key predictor variables AMAC (macroalgae), ATRF (turf algae), CA (coral
cover), Lg1(INV) (log-transformed invertebrate abundance), and SGR (seagrass). ‘*’ p < 0.05;
‘.’ 0.05 < p < 0.10. Successive lines show the results for the best supported, and second- and third-best
supported models.

Response AMAC ATRF CA Lg1(INV) SGR AICC R2

FFR 0.4747 * −0.4291 * 98.4 0.21930
0.4238 * −0.4498 * −0.2056 99.8 0.25690
0.2809 100.6 0.07892

FA 0.3562. 0.3557. 217.2 0.20680
−0.3186 . −0.3737 . 218.8 0.16360

0.2908 218.8 0.08457
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Figure 3. Relationship of different environmental factors to fish family richness and fish abundance.
The orange lines represent the estimates derived from multiple-regression analysis. Fish family
richness increases with increasing coral cover (A) and decreases with increasing invertebrate/sea
urchin abundance (B). Fish abundance increases with increasing coral cover (C) and macroalgae
cover (D). Grey dots show individual measures of response variables on the 30 transects.

4. Discussion

We found that on the reefs at Gazi Bay coral genus richness was negatively correlated
with the abundance of macroalgae, whereas coral cover was positively correlated with
the abundance of herbivorous invertebrates (effectively sea urchins) and with fish family
richness. Fish family richness was mainly correlated with coral cover and invertebrate
abundance, but no determinants of fish abundance could be convincingly identified. How-
ever, caution is required before assuming these trends apply more widely, because, for
example, the abundance of fishes and the extent of live coral cover observed in Gazi Bay
appeared noticeably low compared to protected reef sites on the Kenyan coast visited by
the authors in the same year (e.g., in the Kisite-Mpunguti Marine National Park and the
Malindi National Park).

Acanthuridae (surgeon fishes) were the most abundant family across the sites, followed
by the Chaetodontidae (butterflyfishes). As specific butterflyfishes are facultative or obligate
corallivores they are generally associated with high live coral cover [47,51–53], even though
in some cases this correlation was found to be quite low [54,55]. We found that there
are enough living corals for at least some butterflyfish species to inhabit the reefs of
Gazi Bay. Nevertheless, the benthic composition was dominated by macroalgae and turf
algae. This may be because of the near absence of some other herbivorous fishes, notably
species of parrotfish [10,25]. Their intensive feeding promotes the settlement, growth, and
survivorship of corals due to the removal of competitive macroalgae. In this way herbivores
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are considered important for coral reef resilience, because they keep macroalgae at low
levels after any disturbance affecting corals, thus allowing the corals to recover [3,56,57].
The fact that during the study we observed no groupers and only a few parrotfishes,
rabbitfishes, and snappers, is likely a consequence of overfishing, because all three families
are important food-fish on the Kenyan coast.

In addition to fish, we found sea urchin abundance to be positively related to coral
cover. This relationship is likely explained by the negative impact of sea urchins on algae,
which otherwise compete with corals for space and light. Various field and computer
studies have shown that urchin domination can help maintain coral cover by reducing
competitive algae cover [32,58–62]. The study by Nozawa et al. (2020) showed that
diadematid sea urchins enhance coral recruitment on Taiwanese reefs [32]. Another study
in Kenya found that areas that were inaccessible to urchin grazing retained a high cover
of algal turf and so were not suitable for coral recruitment, whereas in stable reef systems
grazing fishes graze down the turf algae, facilitating coral recruitment [58]. The areas
that were less accessible to echinoids were, in the absence of grazing fishes, dominated
by large, fleshy algae which smothered corals [58]. However, the effects of sea urchins
on the dynamics of phase shifts on coral reefs are density dependent, because they can
play two different roles. In low abundances, reef echinoids promote coral reef resilience by
controlling algal cover [56,63–65]. In high abundances, echinoids may erode large parts
of both living corals and the dead coral framework (in addition to the algae growing on
the latter), resulting in loss in live coral cover, reduced coral recruitment, reduced calcium
carbonate accretion, and reduced associated faunal diversity [9,10,56,63–65]. Our results,
however, showed a positive effect of herbivorous invertebrate/sea urchin abundances on
corals, indicating that at Gazi Bay sea urchin population density is not (yet?) harmful to
the coral community.

Our results also showed that, in our study area, coral genus richness was negatively
related to macroalgae abundance. This is likely also because of the negative effect (just
discussed) of macroalgae on hard coral cover, as overgrowth of corals by macroalgae can
suppress the coral fecundity, hinder coral growth, and smother coral recruits [7,58,66,67].
Algal turfs, by comparison with macroalgae, are less successful competitors of corals [66,68].
Hopkins (2009) also found this correlation between coral and macroalgae cover, with the
hard-coral cover being low when algae cover is high (and vice versa). Coral-macroalgae
phase shifts have been reported from many countries, including, notably, Jamaica [69], and
also East Africa [44], a phenomenon generally believed to be triggered by various impacts,
such as the loss of herbivores (either urchins or fish), increased nutrient input, hurricane
damage, or crown-of-thorns-starfish outbreak [63].

In our study, seagrass abundance was negatively related to coral genus richness,
although this relationship was only marginally significant in the best supported model.
A negative relationship between seagrass cover and coral genus richness may be largely
explained by corals and seagrasses colonizing different types of substrates, but there may
also be a degree of competition for space on some substrates. A previous study described
seagrass colonizing the reef substratum after it was eroded by sea urchins [44]. However,
other studies have shown that seagrass meadows may enhance coral reef resilience against
ocean acidification by modifying the pH of the water column [68,70].

We found the cover of corals to be positively related to both fish abundance and fish
family richness. However, this could be the result either of fish activity, such as grazing on
algae, favoring the health of corals, or of corals providing a better habitat for fish [10,71,72].
Herbivorous fishes, which made up a large proportion in the counted fish, may clear space
for coral settlement [73] by ingesting seagrass, macroalgae, or algal turfs. In particular,
by reducing the amount of competitively superior macroalgae, herbivorous fishes allow
corals and cementing coralline algae to survive [3,72]. Exclusion experiments such as those
described by Hughes et al. [61] have repeatedly found that after excluding herbivores
from parts of a reef, the coverage of macroalgae will quickly increase but will decline
rapidly again when the area is made newly accessible to grazers. With increasing biomass
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of grazers/detritivores, macroalgal cover decreases, thereby increasing the cover of live
coral [7,25,66].

Although in our study the fact that herbivorous surgeonfishes (Acanthuridae) were the
most abundant family makes it plausible that in our location it is reef fish diversity and
abundance that are influencing coral cover, a positive relationship between coral cover and
fish density and diversity has also been interpreted in many studies as inferring that it is
coral cover which influences fish abundance [41,42]. In particular, increasing topographic
or architectural complexity, substratum diversity, and live coral cover has been associated
with increasing fish abundance and diversity [25,42,56,74,75]. Because of the difficulties in
coral identification, the relationship between species richness of the fish assemblage and
the diversity or cover of coral is less apparent in the literature than the effects of habitat
complexity [42,76]. Coral reefs can provide fish with physical refuges from predators,
in addition to breeding, nursery, and feeding sites, and thus enhance fish diversity. In
contrast, coral mortality has been predicted to reduce reef fish abundance and diversity
and so have long-term consequences on the community [19,56]. In fact, a recent study
by Darling et al. suggests that reefs without corals will no longer support diverse fish
faunas but be numerically dominated by a small subset of species that prefer algal or rubble
substrata [77].

In our study, the abundance of sea urchins, besides being positively related to coral
cover, was negatively related to fish species diversity. As we have said, echinoids are
important grazers in shallow reef ecosystems and compete for resources with herbivorous
fish and other benthic organisms [58,78]. Other studies have also revealed a negative impact
of sea urchin abundance on the number of fish species and their abundance [58,78,79].
McClanahan et al. (1994) found that in heavily fished Kenyan reef lagoons, sea urchins
are the most abundant grazers with herbivorous fishes showing a contrasting pattern of
distribution. It appears that, as the fish density is reduced by fishing, echinoid populations
expand to use the newly available resources [79]. Once an urchin-dominated community is
established, it can be hard for herbivorous fishes to re-establish themselves [73]; high sea
urchin abundances may even suppress fish growth and recruitment and hence recovery of
the fish populations [58].

Due to the correlative nature of our study, it is not possible to determine the true causal
relationship between fishes and corals or fishes and sea urchins, e.g., whether low abun-
dances of fishes cause an increase in sea urchins or if high abundances of sea urchins cause a
decline in fish species populations. Nevertheless, for the persistence of herbivorous fishes, it
may be important to protect sea urchin predators, such as triggerfish (Balistidae) [21,28,80],
which prevent sea urchins from becoming dominant, because otherwise these effects are
not expected to be reversible [73,81,82].

5. Conclusions

As the shallow reef areas in Gazi Bay had low coral cover and low fish abundance,
combined with high algae cover, we consider the condition of the reef there to be far from
natural [44,83]. Without a longer-term monitoring program, we cannot be certain about the
causes of the poor reef condition. Nevertheless, our study demonstrates, for an East African
coral reef subject to high fishing pressure, clear relationships between algae growth, live
coral cover, and the abundance and diversity of the reef fish assemblages. Increased human
impact on the coral reefs (e.g., by increases in fishing pressure, destruction of corals, or
discharge of nutrients, the lack of which otherwise helps limit algae growth) will inevitably
lead to further changes in reef condition.
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Abstract: Extreme warming events that contribute to mass coral bleaching are occurring with
increasing regularity, raising questions about their effect on coral reef ecological interactions. However,
the effects of such events on parasite-host interactions are largely ignored. Gnathiid isopods are
common, highly mobile, external parasites of coral reef fishes, that feed on blood during the juvenile
stage. They have direct and indirect impacts on their fish hosts, and are the major food source for
cleaner fishes. However, how these interactions might be impacted by increased temperatures is
unknown. We examined the effects of acute temperature increases, similar to those observed during
mass bleaching events, on survivorship of gnathiid isopod juveniles. Laboratory experiments were
conducted using individuals from one species (Gnathia aureamaculosa) from the Great Barrier Reef
(GBR), and multiple unknown species from the central Philippines. Fed and unfed GBR gnathiids
were held in temperature treatments of 29 ◦C to 32 ◦C and fed Philippines gnathiids were held at
28 ◦C to 36 ◦C. Gnathiids from both locations showed rapid mortality when held in temperatures 2 ◦C
to 3 ◦C above average seasonal sea surface temperature (32 ◦C). This suggests environmental changes
in temperature can influence gnathiid survival, which could have significant ecological consequences
for host-parasite-cleaner fish interactions during increased temperature events.

Keywords: Gnathiidae; Isopoda; coral reefs; climate change; ocean warming; coral bleaching;
Great Barrier Reef; Coral Triangle

1. Introduction

Among the myriad anthropogenic impacts on the world’s oceans, perhaps the most significant
is the increase in temperature associated with production of greenhouse gases [1]. This warming
is responsible for large-scale changes in circulation and storm activity through melting of glaciers,
warming of air masses, and increased evaporation and salinity [1], and as such, warming may
have an indirect effect on marine organisms. However, the majority of marine organisms are
ectothermic, and are therefore dependent on environmental temperature to gain adequate energy
for their own biological functions. The relationship between the performance of an ectotherm and
temperature is non-linear, where performance gradually increases with temperature until it reaches
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a thermal optimum after which it rapidly declines (Thermal Performance Curve: [2]). Hence, the
effect of increasing temperature on marine ectotherms may be more direct, affecting physiology
and metabolism [3–7], which may have implications for growth, motor function, development,
reproduction and behaviour [6–15], which in turn may impact species’ abundance and distribution [16].
Therefore, increasing temperatures may be the most pervasive climate change factor influencing marine
organisms [7,17,18]. Warming can subsequently impact entire ecological communities and ecosystems
by differentially impacting individuals and functional traits [19–21].

Coral reefs are one of the most biodiverse ecosystems in the world [22,23]. Even though the
rate of increase in sea surface temperature (SST) is 30% less in tropical oceans than the global
average [24], coral reefs are also among the most sensitive ecosystems to changes in environmental
conditions [22,25,26], and thus, are particularly at risk of thermal stress. Tropical ectotherms have a
narrow thermal tolerance range, and their thermal optimum is close to their thermal maximum, as
they have evolved under relatively stable thermal conditions [27,28]. As SSTs rise, corals and coral reef
associated organisms are being subjected to higher temperatures (29–31 ◦C) for increasing periods
of time [24]. As a consequence many tropical organisms are thought to be living at or close to their
thermal limits [29]. SSTs are predicted to continue to rise over the coming years [1] and extreme
warming events, resulting in global scale coral bleaching, are occurring with increasing regularity and
severity [30–34], causing degradation of coral reef habitats [22,30,31,35,36].

In addition to the corals themselves, research on the effects of marine heatwaves has also
focused heavily on fishes [37–48], which are also typically included in coral reef monitoring efforts.
However, studies have almost completely ignored the myriad of small, cryptic, species, which make
up a disproportionate amount of coral reef biodiversity [49–51]. One such group are parasites,
which make up the largest consumer strategy globally [52] and comprise an estimated 40% of
global biodiversity [53–56]. In addition to host behavior, physiology, and population dynamics,
parasitic organisms have been shown to have impacts on interspecific interactions, energy flow,
and the structure, ecology, and biodiversity of communities [55,57–60]. Parasites are particularly
diverse on coral reefs [61] with an estimate of over 20,000 species on the Great Barrier Reef (GBR)
alone [62]. However even with such a large presence in coral reef communities, they are significantly
underrepresented in ecological studies [10,55,63]. Coral reef parasites are also ectothermic, and as
such, may be affected by changes to their environmental temperature [10,11,64–67]. Some parasites are
ectoparasitic and would be highly vulnerable to increased temperatures. Ectoparasites are also likely to
be directly impacted by the temperature itself, in addition to being indirectly affected through changes
in community structure due to temperature impacts on hosts [68] and other organisms. For example,
the life cycle of a monogenean ectoparasite (Neobenedinia) was faster and the life span of their larvae
(oncomiracidia) decreased as temperatures increased from 22 ◦C to 34 ◦C [69].

Gnathiid isopods are one of the most common ectoparasites in coral reef habitats [70–72]. They are
small crustaceans, typically 1–3 mm long, that do not permanently live on their fish hosts [73,74].
In fact, with few exceptions, they associate only long enough to extract a blood meal and may therefore
also be referred to as “micropredators” [75,76]. After feeding on tissue and blood from their fish host
they return to the benthos to molt and progress to the next developmental stage [73,74]. They are
only parasitic during their three juvenile stages, and no longer feed once they metamorphose into an
adult. Gnathiids can have significant impacts on their hosts [66]. Direct effects include influencing
behavior [77–83], physiology [84], and mortality [85]. Indeed, as few as one gnathiid can kill a young
juvenile fish [83,86–90]. Indirect effects include transmission of blood-borne parasites [91] and wounds
that can facilitate infection [92]. Gnathiids are also the most common items in the diet of many cleaner
fishes, including Labroides dimidiatus [93,94], a species with far-reaching ecosystem effects [95–97].
Indeed, environmental perturbations, including a coral bleaching event with water temperatures
reaching up to 30 ◦C, resulted in an 80% decline in L. dimidiatus at Lizard Island, GBR [48]. However,
the processes leading to this decline remain unknown.
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A long-term monitoring study of gnathiid isopods off Lizard Island, GBR, revealed a significant
decrease in gnathiid abundance during extreme warm-water periods associated with bleaching events,
compared with cooler periods in the same year or during non-bleaching years [65]. However, the cause
of this decline was unclear. Sikkel et al. (2019) [65] hypothesized that the direct effects of temperature
on gnathiid mortality may have partly contributed to the decline in gnathiid abundance. The aim of
this study therefore, was to assess the direct effect of a rapid increase in seawater temperatures on
mortality of shallow-reef gnathiid isopods. By conducting laboratory experiments on gnathiids in two
coral reef regions subject to bleaching, GBR, Australia [31,32,98], and Philippines [99–101], we show
that a rapid increase in temperature causes significant increases in mortality.

2. Materials and Methods

2.1. Study Sites

This study was conducted between January and February 2018 at the Lizard Island Research
Station (LIRS), northern GBR and between July and October 2017 at the Silliman University–Institute of
Environmental and Marine Sciences (SU-IEMS), Dumaguete City, Negros Oriental, Visayas, Philippines.

2.2. Gnathiid Collection

For the GBR study, gnathiids were obtained from a culture maintained at LIRS since 2001, which
uses the continual availability of wrasse Hemigymnus melapterus (Labridae) as hosts [102]. The culture
is outdoors and uses a flow-through seawater system that obtains water directly from the nearby
reefs. The previous exposures of the experimental (and previous generations) of gnathiids would have,
therefore, reflected similar temperatures to the ocean and land ones [102].

Gnathiids for the Philippines study were collected from the shallow fringing coral reefs (<10 m)
of Cangmating reef (9◦21′18.38” N, 123◦17′58.91” E) and Agan-an reef (9◦20′2.6” N, 123◦18′41.5” E) in
Sibulan and from Bantayan reef (9◦19′49.22” N, 123◦18′43.43” E) in Dumaguete City, all within Negros
Oriental Province. The Bantayan reef has small patch reefs with inshore seagrass beds. Cangmating
and Agan-an have larger patch reefs and inshore seagrass beds. Gnathiids are common at all three
sites [103,104]. Gnathiids were collected using light traps, adapted from Artim et al. (2015) [89] and
Artim and Sikkel (2016) [105]. The traps were set at dusk and retrieved the following morning and
then transported by boat to the SU-IEMS laboratory where they were emptied into individual 10 L
plastic buckets with aerators. The contents of each trap were filtered with a funnel and 55 μm plankton
mesh. The gnathiids were then sorted using a stereoscope and placed in an aquarium (27 L) with fresh,
filtered, aerated seawater. The species of gnathiids collected were unknown due to difficulty with
species identification of the juvenile stages [73], and the fact that no species have yet been formally
described from our Philippines study region.

2.3. Experimental Protocol

At both locations, gnathiid mortality was defined as the absence of detectable movement, even after
disturbance (e.g., by moving the vial it was held in while viewing it under the microscope).

2.3.1. Great Barrier Reef

Gnathiids, all belonging to the species Gnathia aureamaculosa, were collected from the culture in
the morning and afternoon, and placed together into 75 mL holding containers filled with seawater.

They were collected by moving a black tray (35 × 25 × 5 cm) up the side of the gnathiid culture
tank and were removed using a pipette. From the holding containers, gnathiids were individually
transferred into 5 mL vials that were half-filled with seawater. These vials were then individually
labelled. Collecting and processing took approximately 2 to 4 h, depending on the catch size of the
day (ranging from 9 to 226 gnathiids). The daily number varied as a result of fluctuations in the
number that were active, most likely due to normal high variation in their population dynamics [102].
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A mixture of fed and unfed gnathiids was used, and it was not known how much time elapsed since
the last feeding. Gnathiids were not fed for practical reasons. After processing the gnathiids, the vials
were randomly allocated, in a balanced way (approximate equal number), to a temperature treatment
and aquarium replicate combination; there were three aquarium replicates per temperature treatment.
Vials were labelled with a unique number across all replicates. Only the lids of the vials were labelled,
reducing any potential bias when viewing them under the microscope. It also made it easier to monitor
and return them to their respective treatment and aquarium daily. Vials were held underwater in
plastic baskets (17 × 17 × 10 cm), one for each treatment and replicate (n = 9 baskets). Baskets had four
mesh (1 mm2) windows (12 × 5 cm) on the sides and one on the lid (12 × 12 cm) to allow for flow of
water. A dive weight was used to submerge the baskets. Aquaria were supplied with flow-through
seawater, with seawater that was either chilled or heated in a sump under the aquarium benches and
pumped up to the aquaria. Each bench had a different temperature treatment and held 10 aquaria
(previously used for another experiment, see Graba-Landry et al. 2020 [106]). Three aquaria were
randomly selected per bench and allocated to replicates.

We estimated the predicted ambient seawater temperature (29.25 ◦C ± 0.013 SE) based on the
Australian Institute of Marine Science long-term average water temperature for February [107] (Figure
S1). Actual average daily seawater temperature during the experiment was 29.0 ◦C ± 0.67 SE (February
1 to 23, 2018 available only). The temperature of the water that gnathiids had been maintained in
throughout their lifetimes was not available. However, the temperature of incoming water from the
station’s holding tanks was on average 1.4 ◦C warmer than the ocean, when sampled at two sources at
three times of the day (09:00, 15:00 and 21:00 h from 15 to 20 October, 2018) relative to the same period
in the ocean [108].

Temperature was manipulated in an outdoor seawater flow-through system at LIRS using purpose
built 1KW steel bar heaters and chillers (Teco®) in a header or sump tank. Each sump, one per
temperature treatment, fed replicate 40 L tanks with the appropriate experimental flow-through
seawater using 1000 L hr−1 pumps (Eheim®) at a rate of approximately 1 L minute−1. Tanks were
wrapped in Insulbreak® insulation to stabilize water temperatures. Temperature (±0.1 ◦C) was also
measured at 12:00 h daily from each of the nine tanks housing the gnathid cultures/vials using a
portable temperature probe (Comark®) calibrated to 26 ◦C, 28 ◦C and 30 ◦C (National Association of
Testing Authorities certified) to ensure temperature remained stable across treatments. Experimental
temperatures at 12:00 h per treatment, averaged across the means of the three replicate aquaria, were:
29 ◦C: 29.5 ◦C ± 0.07 SE, 31 ◦C: 31.4 ◦C ± 0.02 SE, and 32 ◦C: 32.6 ◦C ± 0.02 SE. Temperatures were very
similar among replicates within a treatment, (Figure S2). One calibrated temperature logger (HOBO
Pendant temperature/light logger, UA-002-08) per treatment also recorded the temperature every 2 h
throughout the course of the study to account for diurnal fluctuations in temperature [mean (SE) per
treatment: 29 ◦C: 28.9(0.042); 31 ◦C: 31.2(0.035): 32 ◦C: 31.9(0.06); Figure S3].

Each day, one random basket from each treatment was removed (to reduce time exposed to air
temperature). The vials from each basket were rinsed in freshwater and placed in a large tub (all
treatments were examined together to avoid bias). Each vial was then examined under a dissection
microscope to check for gnathiid mortality. Vials with alive gnathiids were sorted back into their
respective treatments/replicates and placed back into the aquaria. This was repeated for each of the
remaining baskets from each treatment-replicate combination. Gnathiids were monitored until all had
died (except for four survivors, see Results for details). Vials with dead gnathiids were preserved for
later to undertake headwidth measurements, by adding a few drops of formalin into the seawater.

2.3.2. Philippines

Unfed juvenile gnathiids were given one day to acclimatize in an aquarium after collection,
before host fish, Dascyllus trimaculatus (Pomacentridae) and various species of Labridae, were placed
in the aquarium overnight to allow them to feed. The gnathiids did not feed again for the duration
of the experiment. The following day, fed, mobile and healthy-looking individuals were selected.
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However, as the gnathiids’ species and therefore the consequent size range for each stage was not
known, they could not be separated by juvenile stage as in the GBR study. Instead they were sorted
into two size classes (<2 mm and >2 mm, to account for any effect of size of the gnathiid on its molting
rate and survival.

Gnathiids were then placed in 270 mL plastic containers, 5–10 gnathiids per container,
with plankton mesh (55 μm) secured on the top, and the containers were submerged in one of
five 27 L aerated aquaria, each with a different set temperature. Each container was labelled with the
size class, treatment, trial and replicate. The first trial consisted of 5 temperature treatments, ambient
(28 ◦C), 30 ◦C, 32 ◦C, 34 ◦C and 36 ◦C. A second trial was also conducted to obtain a finer resolution of the
temperature effect, with treatments of 30 ◦C, 32 ◦C, 33 ◦C, 34 ◦C and 35 ◦C. Aquaria were individually
heated gradually with 100W and 200W aquarium electric heaters (Venusaaqua®) over a 10 h period to
their desired temperature. Temperature readings were taken daily with an aquarium-mounted digital
thermometer (Doutop®) to ensure the desired water temperatures were maintained and to calculate
the average temperature for each treatment per trial (Table S1a,b). Containers from each treatment
were inspected daily for evidence of changes in gnathiid development and mortality. Dead gnathiids
were removed from the containers and molted adult males were preserved in ethanol for future species
identification. The experiment was concluded for each treatment when all gnathiids were dead or
when 20 d had passed. One third of the water in each aquarium was removed daily and replaced with
ambient temperature, filtered, fresh seawater. Over the 20 d duration of each replicate the aquaria
used for each temperature treatment was alternated every week (once per replicate) to ensure there
were no confounding effects associated with individual aquaria. Three replicates of each temperature
treatment were run for each trial. Trials 1 (n = 369 gnathiids) and 2 (n = 318 gnathiids) had a range of
60–76 and 59–68 gnathiids per temperature treatment respectively (Table S2a,b).

The baseline ambient temperatures for Trials 1 (28 ◦C) and 2 (30 ◦C) were similar to the SST in the
Bohol Sea, Philippines, which fluctuated by about 3 ◦C (about 27–30 ◦C) during 2017; the SST during
the experiment (July–October 2017) averaged at 30 ◦C ± 0.04 SE. [109].

2.4. Statistical Analyses

2.4.1. Great Barrier Reef

One live unfed gnathiid (stage three, 15 d), two adult males (alive, 15 d; dead, 29 d) and three
adult females (alive, 15 and 24 d; dead, 16 d) were excluded from the data. These gnathiids were
excluded because they were adults and thus their longevity would be different to that of the juveniles.
The single juvenile that was still alive when we terminated the experiment was omitted for simplicity
and consistency. We categorized the three juvenile stages based on their headwidth (stage one: 0.14–0.2,
stage two: 0.21–0.24, stage three: 0.25–0.32 mm) [77]. Due to the large difference in sample size per
unfed/fed status (based on the presence of an engorged gut), we conducted separate analyses for unfed
(n = 1133) and fed gnathiids (n = 87).

To test whether survival of gnathiids differed among temperature treatments, we used a
proportional hazards Cox mixed-effects model with temperature treatment and gnathiid juvenile stage
as categorical fixed effects, aquarium as a random factor, and gnathiid headwidth as a covariate (Table 1
and Table S3). We used ambient temperature (29 ◦C) and juvenile stage one as the baselines for the
analyses. We used the function “coxme” in the package “coxme” [110,111] and function “Anova” in
the package “car” [112]. We tested the Cox model assumption of proportionality using the Global
test statistic in the function “coxph” and “cox.zph” in the package “coxme” and graphically using a
smoothed spline plot of the Shoenfeld residuals relative to time (see Tables S3 and S4 for results and
Figures S4 and S5 for spline plots).
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Table 1. Great Barrier Reef; Analysis of deviance table (Type II tests) for unfed gnathiid survival
among temperature treatments and juvenile stages for Cox model. Bolded values are ones mentioned
in main text. *** p < 0.001.

Df Chisq Pr(>Chisq)

Temperature 2 183.76 <0.0001 ***
Headwidth 1 1.87 0.1719
Stage 2 26.93 <0.0001 ***
Temperature × Headwidth 2 0.07 0.9639
Temperature × Stage 4 3.06 0.5471
Headwidth × Stage 2 23.85 <0.0001 ***
Temperature × Headwidth × Stage 4 6.51 0.1642

2.4.2. Philippines

In the size class < 2 mm (n = 168 gnathiids) for Trial 1, five (3%) gnathiids molted into adult
females and nine (5%) into males. In the size class < 2 mm (n = 153) for Trial 2, no gnathiids molted
into adults. In contrast, for the larger size class > 2 mm for Trial 1 (n = 201), 20 (10%) gnathiids molted
into females and 85 (42%) into males. In the size class > 2 mm (n = 165) for Trial 2, 37 (22%) gnathiids
molted into females and 68 (41%) into males. In this study, newly metamorphosed males were first
observed after day 1 in Trial 2 and day 2 in Trial 1, and no additional males appeared after day 5 in
Trial 2 and day 7 in Trial 1. The mean number of days juvenile gnathiids molted into males for all
treatments was 3.39 ± 0.75 and 3.23 ± 0.16 for Trials 1, and 2, respectively.

To test whether survival of gnathiids differed among temperature treatments, we used the same
statistical methods as for the GBR data, with some modifications to the model. Temperature treatment
was a fixed effect, and size class, life stage (male, female, or juvenile) and container (which the gnathiids
were kept in) were treated as random effects. The ambient temperature of 28 ◦C was used as the
baseline for analysis for Trial 1 and 30 ◦C for Trial 2. Assumptions of proportionality were met for
both analyses (both Global tests: p > 0.05, see Tables S5 and S6 for results and Figures S6 and S7 for
spline plots).

2.5. Ethics

All applicable international, national, and/or institutional guidelines for the care and use of animals
were followed. All procedures performed in studies involving animals were in accordance with the
ethical standards of Silliman University, Arkansas State University, The University of Queensland,
and the Government of Australia and the Philippines.

3. Results

3.1. Great Barrier Reef

3.1.1. Unfed Gnathiids

From the 1220 gnathiids whose survival was followed over time, 93% were unfed individuals.
For unfed individuals, the numbers of gnathiids per stage and per temperature was relatively even
within each of the 29 ◦C, 31 ◦C, and 32 ◦C temperature treatments (stage one: 186, 198, 210; stage two:
73, 66, 71; stage three: 113, 113, 103, respectively). There was a significant effect of temperature
on gnathiid survival (p < 0.0001, Table 1, Figure 1), due to a significantly lower survival at 32 ◦C
compared with the 29 ◦C baseline temperature (p = 0.016, Table S7). The interaction between gnathiid
headwidth and juvenile stage was significant (p < 0.0001, Table 1); when further explored separately by
stage, the association was largely due to a weakly positive relationship between gnathiid survival and
gnathiid headwidth in stage one (p < 0.0001, Table S9a).
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3.1.2. Fed Gnathiids

For fed individuals, the numbers of gnathiids per juvenile stage and per temperature were
also relatively even between the 29 ◦C, 31 ◦C, and 32 ◦C temperature treatments (stage one: 8, 6, 6;
stage two: 17, 15, 13; stage three: 8, 7, 7, respectively). Three (3.4%) contained more blood than clear
material (i.e., plasma) in their gut, the remainder had a clear gut. Of the 87 individuals followed, 60%
had molted during the course of the study. Survival differed according to an interaction between
temperature and juvenile stage (p = 0.0085, Table 2); when further explored separately by stage
(Figure 2), the effect of temperature was significant for stage two (p < 0.0001), and three (p = 0.0009,
Figure 2b,c, Table S10b,c), with the strongest effect of temperature being that between the baseline
(29 ◦C) and the 32 ◦C treatments for stage three (Table S10c, Figure 2c). Survival differed according
to an interaction between temperature and headwidth (p = 0.0480, Table 2); when further explored
separately by temperature treatment, the effect of headwidth was largely due to non-significant weakly
positive relationships between survival and headwidth at 29 ◦C (p = 0.0758) and 32 ◦C (p = 0.0718,
Table S11a,c).

Figure 1. Lizard Island Research Station; Kaplan-Meier survival curves for unfed gnathiids per
temperature treatment. Shaded areas are 95% confidence intervals.
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(a) 

(b) 

Figure 2. Cont.
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(c) 

Figure 2. Great Barrier Reef; Kaplan-Meier survival curves for fed gnathiids per temperature treatment
for (a) stage one, (b) stage two, and (c) stage three juveniles. For ease of interpretation, 95% confidence
intervals are not included.

Table 2. Great Barrier Reef; Analysis of deviance table (Type II tests) for fed gnathiid survival among
temperature treatments and juvenile stages for Cox model. Bolded values are ones mentioned in main
text. ** p < 0.01, *** p < 0.001.

Df Chisq Pr(>Chisq)

Temperature 2 28.2063 7.50 × 10−7 ***
Headwidth 1 1.9549 0.16206
Stage 2 21.3179 2.35 × 10−5 ***
Temperature × Headwidth 2 6.0753 0.04795 *
Temperature × Stage 4 13.6392 0.00854 **
Headwidth × Stage 2 3.0686 0.21561
Temperature × Headwidth × Stage 4 3.3548 0.5003

3.2. Philippines

3.2.1. Trial 1

There was a significant effect of temperature on gnathiid survival (p < 0.0001) in Trial 1, driven by
lower survival curves for the 36 ◦C (p < 0.0001) and 32 ◦C (p = 0.024) treatments, compared with the
28 ◦C baseline temperature treatment (Table 3 and Table S12, Figure 3).
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Figure 3. Philippines; Trial 1, Kaplan-Meier survival curves for gnathiids per temperature treatment.
Shaded areas are 95% confidence intervals.

Table 3. Philippines; Analysis of deviance table (Type II tests) for Trial 1 and 2 gnathiid survival for
Cox model. Bolded values are ones mentioned in main text.

Trial Df Chisq Pr(>Chisq)

1 Temperature 4 24.927 <0.0001
2 Temperature 4 8.4374 0.07681

3.2.2. Trial 2

Overall, the effect of temperature on gnathiid survival was not quite statistically significant
(p = 0.0768, Table 3). Nevertheless, the 35 ◦C treatment had a much steeper survival curve than that
for the 30 ◦C baseline (Figure 4) (p = 0.0057, Table S13).
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Figure 4. Philippines; Trial 2, Kaplan-Meier survival curves for gnathiids per temperature treatment.
Shaded areas are 95% confidence intervals.

4. Discussion

With ocean temperatures predicted to rise 3 ◦C by the end of the century [113], the effects of
ocean warming on coral reef organisms have received an increasing amount of attention. However,
such studies largely ignore the cryptofauna that comprises most of coral reef’s biodiversity and biomass,
including parasites [67]. In the only long-term monitoring study of any marine parasitic crustacean,
Sikkel et al. (2019) [65] reported that during extreme warm-water events in the GBR parasitic gnathiid
isopod populations crashed. The findings reported here are consistent with their hypothesis that this
may be attributable, in part, to a direct effect of temperature on gnathiid mortality. Such an effect
of temperature on the larvae of a tropical ectoparasite has been shown for monogeneans on farmed
tropical fish [69].

The present study is the first to examine effects of acute temperature increases on this common reef
fish ectoparasite. In our study, gnathiids from both the GBR in Australia and Negros Oriental in the
Philippines demonstrated rapid mortality in temperatures raised to above average SST, suggesting that
environmental changes in temperature can influence gnathiid survival. In the Philippines, temperatures
as little as 2 ◦C (i.e., 32 ◦C) above average seasonal SST (30 ◦C) caused significantly lower survival,
with increasingly steep survival curves at 35 ◦C, with the steepest at 36 ◦C, where no gnathiids survived
past five days. Unfed gnathiids on the GBR had lower survival at 32 ◦C compared with 29 ◦C, an effect
which was consistent across all three juvenile stages. For fed gnathiids on the GBR, the effect of
temperature was significant for juvenile stages two and three, with the strongest effect of temperature
on stage three, also between the 32 ◦C and 29 ◦C treatments. It is, therefore, likely that gnathiids
from both the Philippines and Australia may be living near their thermal limit, as small increases
in temperature from the annual seasonal mean have resulted in increased mortality in organisms
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from both regions. These results indicate not only that an acute change of temperature to just 32 ◦C
decreases the survival of gnathiids, but that the effect of increased temperature is greater on the larger
juvenile stages.

In the GBR we found evidence that greater gnathiid headwidth, not just juvenile stage,
increased gnathiid survival. For unfed gnathiids, there was a weakly positive relationship between
gnathiid survival and gnathiid headwidth, but only in juvenile stage one. For fed gnathiids, there was
also a weakly positive relationship between survival and headwidth, but only at 29 ◦C and 32 ◦C.
Gnathiid length is correlated with headwidth [95,105] and thus likely with mass also. Both results
suggest that even small increases in gnathiid size within a juvenile stage can increase gnathiid
survival; these findings also supported our decision to include both headwidth and stage in the
statistical model as being important factors to consider when modelling gnathiid juvenile survival.
Such a difference in the thermal response related to size may be due to the increased metabolic
demand caused by the increase in temperature, an effect which may lead to an energetic deficit for
smaller individuals if enough food cannot be obtained, therefore, creating a metabolic mismatch
between energy obtained versus energy required [114]. Alternatively, there may possibly be a higher
baseline metabolism or higher growth rate at smaller sizes, which then slows down as they reach the
maximum size for that stage, resulting in smaller sizes using up their reserves faster than larger sizes.
Furthermore, the energetic demands of development may also differ among juvenile life-history stages.
Thus increased metabolic demand for basal processes (such as cell maintenance) as a result of increases
in temperature, coupled with differential energetic requirements for development may also explain the
variation in the thermal response among juvenile stages in our study. Therefore, understanding the
effect of increasing temperature on individual metabolism and survival also requires an understanding
of food resources and availability [114].

Overall, these results suggest that even with a small increase of 2–3 ◦C above the normal ambient
mean, raised temperature can ultimately lead to increased gnathiid mortality. However, there were
some key differences in the experimental protocol between the GBR and Philippines studies that should
be considered. First, only one species of gnathiid was used in the GBR experiment, compared to at
least three (all undescribed, M.O.S. personal observation) species present in the pool of gnathiids used
for the Philippines experiment. Second, because these species were unknown, we were unable to
confidently separate juvenile gnathiids into their different stages, and so used size class as a proxy.
Therefore, we cannot discount the possibility of some among-species and life-stage variation in thermal
tolerance. Finally, in contrast to the Philippines, in the GBR study the time the gnathiids were last
fed was unknown. This would account for much of the unexplained variation in survivorship in the
analysis of the GBR data, as the variation in resources available to the gnathiid, in the form of a blood
meal, would decrease over time since their last feeding event. In addition, it should be noted that,
in both studies, the gnathiids were not fed for the duration of the experiment, and thus starvation
may have been a contributing cause of mortality. While starvation may have influenced mortality
of gnathiids among the treatments (as suggested by increased mortality over time in the ambient
temperatures), the rates of mortality at higher temperatures were greater, with rapid mortality taking
place very early on in the experiments (e.g., one to five days in the Phillipines). This supports the
interpretation that increased temperatures influence gnathiid survival directly. It is of relevance that
marine “heatwaves” (which are categorised as periods of abnormally high SST lasting for longer
than five days [115]) have been predicted to become more frequent, longer and more severe [116,117].
Our observations of rapid gnathiid mortality even after just one day suggests there may be a decline in
gnathiid survival from early on in a heatwave, so that gnathiid populations may be heavily impacted
if there are more frequent and severe heatwaves in the future.

Our findings appear consistent with data for other tropical marine invertebrates, which have an
upper thermal tolerance that is not far above normal sea temperature (reviewed in [4,118]). For example,
in a meta-analysis on bivalves, and a study on porcelain crabs, tropical species were found to have
upper thermal limits that were closer to the maximum temperature of their habitat than temperate
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species [118,119]. Tropical species of bivalves have also been shown to have a smaller thermal tolerance
window than temperate species [118]. This is thought to be due to tropical marine organisms being
more sensitive to changes in temperature as they have evolved under relatively invariable thermal
conditions [27]. Other studies on marine invertebrates have also shown increased mortality with high
SST [120,121], with hermatypic corals being particularly sensitive to increases, with SSTs needing to
rise only a few degrees for bleaching to occur [25,26,31,122].

There are a number of studies investigating the potential impact of temperature increase associated
with climate change on parasite communities and aquatic parasite-host interactions. The majority of
these studies have been on endoparasitic trematodes from temperate regions [123–125]. Temperature
was consistently observed to have a significant effect on the survival times of trematodes in their
free-living juvenile stage, with survival rates decreasing as temperature increased (e.g., [126–133]).
Similarly, temperature has been reported to have an effect on parasitic barnacles (rhizocephalans),
with their prevalence decreasing at higher temperatures [68].

In one of the few other studies on ectoparasites, Conley and Curtis (1993) [134] found that,
in temperatures of 8–20 ◦C, survival of copepodids was also inversely proportional to temperature.
This same trend was observed in the survival rates of monogeneans, and isopods (Cymothoidae) in two
studies in sub-tropical regions [135,136] and one study of monogeneans in a tropical region [69]. In all
three studies, temperature treatments of 30 ◦C and above had the lowest survival rates [69,135,136].
Similar results were also observed with trematode cercariae from sub-tropical regions [137–139].
Summer temperatures for these lower latitudes parasites are in the range of 30–31 ◦C, which suggests
that like gnathiids in the warmer months they are living close to their thermal limits.

Although, this study focused on effects of temperature on mortality, increased temperature can also
have sub-lethal effects on marine organisms, impacting their ability to perform essential tasks [140–142].
Based on a review of the literature, Lough (2012) [24] suggested that temperatures between 30–32 ◦C
may reflect a potential temperature threshold where a proportion of reef organisms’ physiological
processes are negatively impacted. Higher temperatures may also affect the ability of parasites with
mobile life history stages (such as gnathiids) to successfully detect and associate with a host. To our
knowledge there are no studies that specifically examine this. However, the ability to physically reach
a host by swimming does appear to be influenced by temperature. For temperate parasitic copepods
in their free-living stage, the duration of swimming activity was found to be inversely related to water
temperature [134]. For newly emerged cercariae, swimming speed increased in higher temperatures
(19–36 ◦C). However, the speed declined over time, with rate of decline increasing with temperature.
This resulted in higher swimming speeds, but for shorter durations in water of 30 ◦C and above [143].
In a sub-tropical study, cercariae infectivity also increased with temperature with maximum infectivity
occurring at 30 ◦C before declining at 36 ◦C and 40 ◦C [137]. This could be attributable to greater
cercariae swimming activity [137]. Although, we did not quantify the effects of temperature on
movement, in the Philippines study it was apparent that gnathiids moved more slowly and less
frequently at temperatures of 32 ◦C and above, with movement decreasing further as temperature
increased, and also with apparent effects greater for the larger size class (M.O.S. personal observation).

Elevated temperatures may also impact host physiology, behavior and survival in ways that
impact the balance between parasite and host. For parasitic barnacles (rhizocephalans), the effects of
temperature on infected host mortality (and consequent transmission) could threaten their survival,
with models showing that just an increase of 2 ◦C in ambient temperature could cause local parasite
eradication [68]. In contrast, reef fishes can live further away from their thermal limits than
gnathiids were observed to do in this study and in some cases can tolerate temperatures of up
to 34–40 ◦C, [3,15,37,47]. However, they can still experience sub-lethal effects with smaller increases in
temperatures [3,6,12,14,15,142,144–146], which could also impact host-parasite interactions.

Large hosts, like many reef fishes, can also leave areas of warm water for cooler water, or leave
habitat impacted by coral bleaching for other habitats [39,40,43–46,147], depriving gnathiids and other
similar ectoparasites, like natatory-stage cymothoid isopods of hosts [148]. The potentially impaired
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physiological and swimming ability of the parasite, combined with direct effects on mortality and host
availability, could result in a decline in parasite populations. However, the ability of some gnathiids
to feed on invertebrate hosts [149,150], combined with weakened immune response for the smaller,
less mobile, fish species could leave fish more susceptible to ectoparasites, and thus, compensate for
the loss of larger hosts. Indeed, during the 2016–2017 mass bleaching event on the GBR, there was
a significant decrease in the numbers of larger, more mobile host fishes in shallow areas, with only
smaller, site-attached species remaining [48]. This could have also contributed significantly to the crash
in gnathiid populations observed by Sikkel et al. (2019) [65]. However, it should also be noted that
as gnathiids are mostly free-living and have a temporary association with their hosts, they too can
potentially avoid higher water temperatures. This might happen passively by the gnathiid “hitching a
ride” whilst feeding on their host, a process which can last from a few minutes up to a few hours [73].
The gnathiids may, thereby, be transferred to different locations [151,152]. However, as knowledge
of the dispersal mechanisms of gnathiids, the infection rates of host fish, and fish movements after
disturbances is limited, the proportion of the gnathiid populations that could transfer location with
their hosts remains unknown.

Another indirect effect of increased SST may be effects of warming on predators of gnathiids
and other ectoparasites’ free-living stages. In particular, coral polyps are a major source of predation
on juvenile gnathiids [153,154], and thus high coral mortality associated with warm-water events,
combined with the loss of cleaner fish [48], which prey on ectoparasites [93], might increase living
space and decrease predation on gnathiids. Indeed, once water cools following a bleaching event
and most corals are dead, gnathiid populations appear to recover rapidly [65]. While, oceans are also
experiencing increased acidification [1,155], Paula et al. (2020) [156] found no effect of acidification on
the mortality of the same GBR gnathiid isopod as that studied here.

As parasites have a significant role in ecosystem function, changes in parasite abundance may
pose consequences for ecological communities [157–159]. Therefore, while the diversity of coral reef
parasites and their hosts makes it difficult to draw general conclusions on how warming events will
impact parasite-host interactions, it remains important to further investigate parasite responces to both
the direct and indirect effects of warming [67]. Future studies on gnathiids examining sublethal thermal
effects on molting, physiology, locomotion, host-detecting mechanisms and reproductive performance
will provide a more comprehensive understanding of effects of temperature on host-parasite interactions
in coral reef systems.

Supplementary Materials: The following are available online at http://www.mdpi.com/2673-1924/1/4/16/s1.
Table S1: Philippines; Average water temperature of aquaria for five treatments over three aquarium replicates,
Table S2: Philippines; Sample size of larval gnathiid isopods < 2 mm and >2 mm in length in five different
temperature treatments over three aquarium replicates, Table S3: Great Barrier Reef; Tests of proportionality,
using function “cox.zph” in library “coxme” in R 3.2.5, for full model for unfed gnathiid survival among
temperature treatments and juvenile stages, Table S4: Great Barrier Reef; Tests of proportionality, using function
“cox.zph” in library “coxme”, for full model of fed gnathiid survival among temperature treatments and juvenile
stages, Table S5: Philippines; Tests of proportionality, using function “cox.zph” in library “coxme” in R 3.2.5, for full
model for Trial 1 gnathiid survival among temperature treatments, Table S6: Philippines; Tests of proportionality,
using function “cox.zph” in library “coxme” in R 3.2.5, for full model for Trial 2 gnathiid survival among
temperature treatments, Table S7: Great Barrier Reef; Summary output for full model for unfed gnathiid survival
among temperature treatments and juvenile stages for Cox model, Table S8: Great Barrier Reef; Summary output
for full model for fed gnathiid survival among temperature treatments and juvenile stages for Cox model, Table S9:
Great Barrier Reef; Analysis of deviance tables (Type II tests) and summary outputs for unfed gnathiid survival
for separate Cox models for each juvenile stage, Table S10: Great Barrier Reef; Analysis of deviance tables (Type II
tests) and summary outputs for fed gnathiid survival for separate Cox models for each juvenile stage, Table S11:
Great Barrier Reef; Analysis of deviance tables (Type II tests) and summary outputs for fed gnathiid survival for
separate Cox models for each temperature treatment, Table S12: Philippines; Summary output for full model for
Trial 1gnathiid survival among temperature treatments for Cox model, Table S13: Philippines; Summary output
for full model for Trial 2 gnathiid survival among temperature treatments for Cox model. Bolded values are ones
mentioned in main text, Figure S1: Seawater temperature for Great Barrier Reef data, Figure S2: Great Barrier
Reef; Temperatures, measured using a handheld device at 12:00 h, for three replicate aquaria per temperature
treatment, Figure S3: Great Barrier Reef; Water temperatures in an aquarium over duration of study for each of
the temperature treatments between February 1 and March 2 2018, Figure S4: Great Barrier Reef; Scaled Shoenfeld
residual plot for full model testing unfed gnathiid survival relative to time (days), Figure S5: Great Barrier Reef;
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Scaled Shoenfeld residual plot for full model testing fed gnathiid survival relative to time (days), Figure S6:
Philippines; Scaled Shoenfeld residual plot for full model testing gnathiid survival relative to time (days) for Trial
1, Figure S7: Philippines; Scaled Shoenfeld residual plot for full model testing gnathiid survival relative to time
(days), for Trial 2.
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Abstract: Coral cover worldwide has been declining due to heat stress caused by climate change.
Here we report the impacts of the 2015–2016 El Niño mass coral bleaching event on the coral cover of
reefs located on central and northern atolls of the Maldives. We surveyed six reef sites in the Alifu
Alifu (Ari) and Baa (South Maalhosmadulu) Atolls using replicate 20 m benthic photo transects at
two depths per reef site. Live and recently dead coral cover identified from images differed between
reef sites and depth. Recently dead corals on average made up 33% of the coral assemblage at shallow
sites and 24% at deep sites. This mortality was significantly lower in massive corals than in branching
corals, reaching an average of only 6% compared to 41%, respectively. The best predictors of live
coral cover were depth and morphology, with a greater percentage of live coral at deep sites and in
massive corals. The same predictors best described the prevalence of recently dead coral, but showed
inverse trends to live coral. However, there was high variability among reef sites, which could be
attributed to additional local stressors. Coral bleaching and resulting coral mortalities, such as the
ones reported here, are of particular concern for small island nations like the Maldives, which are
reliant on coral reefs.
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1. Introduction

Elevated seawater temperatures resulting from climate change are causing widespread
coral bleaching events across tropical regions of the world [1–3]. Over the past 30 years
the frequency and severity of these bleaching events have increased and they are now
occurring on an unprecedented scale [1,4]. In 2015–2016, a severe El Niño event led to
widespread coral bleaching across the Pacific and Indian Oceans [1,2,4–8], with some
regions experiencing repeated heat stress events throughout this period (e.g., Chagos
Archipelago [9], Great Barrier Reef (GBR) [2,10]). During the El Niño, some areas of the
Pacific experienced extreme heat stress, reaching over 20 degree heating weeks (DHWs) [5],
a metric representing accumulated heat stress over a 90-day window in comparison to
historical maximum monthly means (MMMs) [10]. Although not quite as extreme, DHWs
from the Western and Eastern Indian Ocean during the same period still greatly exceeded
the bleaching threshold, with records ranging from four to 11 [11–13].

Coral bleaching occurs when corals expel their photosynthetic endosymbiotic algae
(Symbiodiniaceae), often as a result of temperature stress, leaving a white skeleton visible
through translucent tissue [14]. Corals may recover over time or coral mortality may occur
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if the algae cells are not regained and temperature stress conditions persist. Susceptibil-
ity to bleaching and mortality can vary among coral species due to a variety of factors,
which include coral morphology [15,16], history of stress or temperature exposure [17,18],
associated algal symbiont type [19–21], and the coral microbiome [22]. This variability
in susceptibility can cause not only a loss in overall coral cover, but also a reduction in
both the biodiversity and functional diversity of coral assemblages [23]. In severe cases
bleaching and subsequent mass mortality events result in decreased larval supply and
connectivity, which can result in phase shifts that are often from coral to macroalgal domi-
nated reefs [24]. Other alternate states include sponge- or urchin-dominated reefs [25,26].
It becomes difficult for corals to re-populate reefs and reverse such phase shifts (reviewed
in [27]), resulting in obvious changes to benthic and reef-associated pelagic assemblages
across the reef ecosystem.

Mass coral bleaching events impact not only the health of the coral reef ecosystem,
but also the human populations that may rely on artisanal fisheries, coastal protection, and
ecotourism. Coral mortality can be particularly concerning for small island nations because
reefs represent a lifeline that provides food and livelihood. Loss of coral in the ecosystem
can decrease catches of artisanal reef fisheries and discourage tourism, ultimately impacting
the food security and economy of local communities [28,29].

One such small island nation is the Republic of Maldives, located in the central
equatorial Indian Ocean. The Maldives is made up of over 1000 islets situated within
26 atolls. It is the largest group of coral reefs in the Indian Ocean, hosting approximately
1100 reef-associated fish species and 250 species of coral [30]. The economy of the Maldives
benefits from marine resources through tourism and ecosystem services such as coastal
protection, food, and construction materials [31]. Thus, changes to the state of Maldivian
reef health is of concern to the nation. During the 2015–2016 El Niño event, reefs in the
Maldives experienced between four and 11 DHWs, suggesting considerable heat stress [32].
This resulted in widespread bleaching across the region [7,33–35], with bleaching observed
in 73% of corals from 0–13 m depth [12]. Here we document the effects of the 2015–2016
global bleaching event on the survival and mortality of coral communities in the northern
atolls of the Maldives.

2. Results

Six coral reef sites were monitored in the Alifu Alifu and Baa Atolls in the Republic of
Maldives (Figure 1) to assess post-bleaching coral mortality. The percentage of live coral
cover at each coral reef site (n = 6) and depth was variable and ranged between 3% and
26% of substrate cover in December 2016, following the peak of the heating event that
occurred in May of the same year (Figure 2). Of all the sites, live coral cover was lowest
at Hurasdhoo, with an average of 3 ± 4% (mean ± standard error, n = 51) at deep sites
(Figure 2). No records were available for this site at shallow depths. All other sites had
similar live coral cover at shallow depths, ranging from 13 ± 8% (n = 34) at Rasdhoo to
26 ± 13% (n = 51) at Dhonfanu (Figure 2). Live coral cover at depth had a similar range,
from 13 ± 14% (n = 51) at Nika Point to 27 ± 12% (n = 51) at Dhonfanu (Figures 2 and 3).
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Figure 1. Reef site locations within the northern atolls (Baa and Alifu Alifu Atolls) of the Republic of Maldives. Sampling
locations are marked with a black dot on the map.

Recently dead coral, classified as coral skeletons covered with turf algae but with
the skeleton still intact, was also abundant at each of the sites surveyed (Figure 2). At
shallow depths, this was as high as 54 ± 19% (n = 52) of the substrate cover at Digga
Thila (Figure 2). The percentage of recently dead coral at shallow transects at all other sites
ranged from 12 ± 8% (n = 50) at Nika Point to 40 ± 14% (n = 51) at Dhonfanu (Figure 2).
Of the deep transects, the percentage of recently dead coral was highest at Hurasdhoo,
averaging 41 ± 25% (n = 51), although this was highly variable between transects and
replicates (Figure 2).

Very few coral colonies were still bleached, with translucent live tissue covering the
skeleton, at the time of data collection seven months after peak heat stress. The total
substrate covered by bleached corals ranged from 0.1 ± 0.7% (n = 54) to 2.9 ± 7.6% (n = 54)
across all reef sites and depths.

Modelling of variables influencing the percentage cover of live coral suggested that
the best model fit was obtained when including additive effects of reef site, depth, and
morphology (Table 1). When accounting for these variables, live coral cover was estimated
to be considerably lower at Hurasdhoo (3% live cover, with confidence intervals (CI) of
2–5%), compared with all other reef sites, over which coral cover ranged from 18% (15–22%
CI) to 29% (25–34% CI) (Figure 4a). Mean live coral cover was found to be higher at
deep rather than shallow sites, estimated to be 23% (19–27% CI) and 16% (13–19% CI),
respectively (Figure 4b). In addition, mean live coral cover was found to be greater in
massive corals than branching corals, estimated to be 33% (27–39% CI) in massive corals
and 6% (5–7% CI) in branching corals (Figure 4c).
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Figure 2. Box and whisper plot showing the percentage of substrate cover of live corals and recently
dead corals at both shallow and deep transects at each of the six reef sites surveyed.

Figure 3. Extensive stands of dead corals (Acropora spp.) in the Maldives, where reefs exhibited high levels of coral mortality
in December 2016 following the 2015–2016 El Niño mass coral bleaching event ((a) and (b)).
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Table 1. Generalised linear mixed effect model (GLMM) fit statistics investigating the most important
variables influencing both (a) live coral and (b) recently dead coral. Shown are the number of
parameters (n), Akaike information criteria (AICc), δ AICc, and AICc weight (ωi). The best fitting
model is highlighted in bold.

Coral Cover Model n AICc δ AICc ωi

(a) Live coral Reef site + depth +
morphology

11 1013.3 0 1

Reef site + morphology 10 1036.7 23.31 0
Depth + morphology 6 1153 139.64 0

Morphology 5 1156.4 143.05 0
Reef site + depth 10 1523.5 510.12 0

Reef site 9 1537.7 524.31 0
Depth 5 1635.1 621.79 0
Null 4 1637 623.64 0

(b) Recently Reef site + depth +
morphology

11 1034.7 0 1

dead coral Reef site + morphology 10 1056.2 21.53 0
Depth + morphology 6 1093 58.25 0

Morphology 5 1096.5 61.81 0
Reef site + depth 10 1177.8 143.12 0

Reef site 9 1193.5 158.75 0
Depth 5 1236.9 202.18 0
Null 4 1238.1 203.41 0

Figure 4. Predicted percentage of substrate cover of both live coral and recently dead coral by (a) reef, (b) depth, and (c)
morphology, with 95% confidence intervals.

Modelling the cover of recently dead coral also suggested the best fitting model
included additive effects of reef site, depth, and morphology (Table 1b). The percentage of
dead coral cover at each reef site varied. The highest percentage was found at Hurasdhoo,
with 56% (±45–69%) recently dead coral cover, whereas the remainder of the reef sites
ranged from 19% (±15–23%) to 29% (±24–36%) (Figure 4a). Overall, there were more
recently dead corals at shallow depths, with estimates of 35% (±28–43%) compared to
24% (±20–29%) at deep sites (Figure 4b). Estimates of recently dead massive corals were
also lower than those for branching corals, with massive estimates of 17% (±14–21%) and
branching estimates of 42% (±34–52%) (Figure 4c). The percentage of cover of recently
dead corals was inverse to the trends observed for live coral cover (Figure 4).
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3. Discussion

3.1. Bleaching and Mortality

During the 2016 El Niño the Maldives experienced a severe bleaching event with
the overall mean percentage of bleached corals (across 71 sites and depths ranging from
0–13 m) reaching 73%, with some sites exhibiting close to 100% bleaching [12]. Although
the peak of the bleaching event occurred between mid-April and mid-June 2016 and some
mortality was seen at this time, many colonies remained bleached for several months. Live
mean coral cover was reduced to approximately 6–20% across the central and southern
Maldives [33–35], with both lagoonal and oceanic reefs impacted [35]. Higher mortality
was observed at reef sites in proximity to higher local population sizes, suggesting that
these sites were more strongly impacted by human pressures (e.g., North and South Malé
Atolls [35]). Coral reef sites investigated in the present study were exposed to comparatively
lower human pressures (Baa and Alifu Alifu Atolls), but still exhibited extensive mortality
(Figures 3 and 4), with mean live coral cover reduced to 3–27%. The observed bleaching-
induced mortality followed similar patterns as previously recorded bleaching severity
in the area (see [7,12,34]); mortality was highest in shallow depths (~30% mortality) and
among branching corals (~40% mortality), especially Acropora spp.

Bleaching severity is considered to vary spatially (e.g., [36,37]) and to be influenced
by microhabitat features [38]. Additionally, coral morphology is a factor and branching
corals are more susceptible to bleaching and mortality during heat stress in comparison
to massive corals [15,39,40]. Branching structures can help optimize light dispersion and
reflection that may be important for maintaining colony health at depth or in normal
light conditions. However, for colonies in shallow habitats where irradiance is naturally
higher, this structure may cause supra-optimal irradiance conditions during heatwaves,
accelerating or intensifying bleaching [15,39,40]. In contrast, massive corals have less
structural complexity and have been found to have a higher resistance to bleaching, taking
longer to bleach and experiencing less mortality [41]. Although branching corals did
experience higher bleaching-induced mortality than massive corals in the present study,
these mortality levels (approximately 40%) were comparably lower than branching coral
mortality in other areas of the Maldives in the aftermath of the 2016 El Niño event. North
Malé (Kaafu) Atoll experienced 80% mortality of Acropora spp., the dominant branching
coral genus in the Maldives [12], and southern sheltered reefs exhibited 75% mortality in
branching corals [33]. In a similar pattern, the Chagos Archipelago, situated south of the
Maldives, lost 86% of Acropora spp. cover (from 2–14%) during the 2015–2016 thermal
anomalies, shifting to a community dominated by Porites spp. post bleaching [9].

Interestingly, although branching corals are generally considered more susceptible
than massive corals on mildly bleaching reefs, this pattern breaks down when reefs are
exposed to severe bleaching: Some corals that are normally classified as thermotolerant
(e.g., many massive species) can nevertheless become bleached under severe heat stress
(e.g., [1]). This may suggest that the Maldives was not hit as hard by this El Niño event
as some reefs in other areas around the globe. In support of this, although DHWs in the
Maldives reached 11, which exceeds the proposed eight DHW mass bleaching threshold,
other reefs around the globe reached much higher DHWs: up to 16 on the GBR and over
20 in the central Pacific [1,5]. Mortality in some of these areas was nearly 100% [42]. The
mortality recorded here on Maldivian reef sites still exceeded 50%, and although this is less
than what some of the hardest hit reefs globally experienced during the 2015–2016 El Niño,
this remains a mass mortality event that can have major consequences for reef recovery.

3.2. Potential for Recovery of Maldivian Reefs

Maldivian coral reefs experienced severe bleaching in 1998 [43,44] and again in
2016 [12], and between these dates also endured a series of mild bleaching events in
2003, 2005, 2007, and 2010 [45–47]. During this recovery period, Maldivian reefs faced other
disturbances, such as a tsunami in 2004 [48] and outbreaks of crown-of-thorns starfish
(Acanthaster planci), both of which contributed to further coral mortality and influenced
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recovery capacity in the impacted localized areas [49]. Following the 1998 bleaching event,
which resulted in mass mortality (90%) of hard corals [50] and a near total disappearance
of tabular coral [51], Maldivian reefs underwent a recovery trajectory that spanned the
next 18 years. Initial mortality of acroporids (up to 90% [51]) led to a shift in assemblage
composition of coral cover, from Acropora-dominated to Porites-dominated, for the first
eight-plus years of recovery [43,49,52,53]. By 2014, 15 years post bleaching, reefs in the
region resembled pre-1998 bleaching assemblages, however, with an absence of species
that had yet to recover [46,49]. After the 1998 bleaching event the constructional capacity
(i.e., bioconstruction potential, carbonate deposition, and reef accretion) of Maldivian reefs
was severely affected, with two to three years required for renewed carbonate deposition
and 14–16 years required before accretion rates were high enough to ensure constratal
(low-relief) growth [54].

Recovery of Maldivian reefs post 1998 bleaching event was slower than rates reported
in the neighbouring Chagos Archipelago [49,55,56], which lacks local human threats and
recovered in 10 years [9]. Slower recovery was likely related to the increased level of human
pressures that Maldivian reefs experience (e.g., overexploitation of resources, pollution,
and coastal development) that influence the success of coral reef recovery, overall coral reef
health, and resilience (e.g., [57,58]). Environmental degradation associated with human-
induced pressures have increased in the Maldives, particularly related to local population
growth, coastal development, land reclamation works, and tourism [59–62]. Whereas local
populations reached 344,023 in 2014, increases in the numbers of tourists grew by 400%
between 1997 and 2019, reaching 1.5 million visitors in 2019 [35].

Following the 2016 bleaching event, coral mortality was greater at coral reefs exposed
to increased human pressures (e.g., North and South Malé [35]). For example, reefs in
proximity to land reclamation projects experienced four-fold increases in sedimentation
loads and exhibited significant reductions in live coral cover post bleaching event in com-
parison to reefs not impacted by both land reclamation activities and bleaching [62]. Land
reclamation and associated dredging (Figure 5a) and dumping activities contribute to in-
creased suspended sediments and deposited sediment loads (i.e., sedimentation). Increased
suspended sediments reduce light levels required by corals to photosynthesize [63–65], but
even low levels of sediment or other particulate deposition reduces suitable reef substrate
for coral recruitment [66,67]. Bleached corals are less capable of removing sediments from
their tissue surface [68], resulting in prolonged smothering and increased energy expendi-
ture to clear sediments [69,70]. Recent investigations into cumulative impacts of increased
suspended sediments and bleaching events indicate that these impacts can be synergistic
when suspended sediments are at high concentrations, resulting in greater mortality than
would be observed with either individual event [71].

Figure 5. Maldivian coral reefs are exposed to local disturbances such as coastal development and land reclamation projects
(a) and crown-of-thorns starfish that prey on corals (b). These additional pressures and thermal stress events may contribute
to cumulative pressures on coral reef health and influence reef resilience and recovery.
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Although land reclamation activities were not taking place near the coral reef sites
surveyed in the present study, two crown-of-thorns starfish (Figure 5b) were observed
at Hurasdhoo, which exhibited the highest coral mortality. Coral mortality caused by
bleaching can be compounded and/or exacerbated by crown-of-thorns starfish, which
favor branching corals as prey [34], and likely contributed to the higher reported mortality
at this reef site.

The 2016 bleaching event resulted in lower coral mortality than the 1998 event and
initial recovery has been faster [54]. By May 2017 hard coral cover had increased to a mean
of approximately 30% (at eight reef sites surveyed across the atolls of Ari Felidhoo, Gaafu
Alifu (Suvadiva), North Malé, South Malé, Rasdhoo, and Thoddoo), however, Acropora
spp. had yet to show evidence of recovery at that time [54]. Current research shows
that recovery trajectories are following different trends post 1998 and post 2016 bleaching
events [54]. These differences are not surprising given that local human pressures have
increased while pre-bleaching coral assemblage and reef health differed. Though faster
recovery rates are positive for these reefs, the projected increases in both the frequency
and intensity of bleaching events, lengthy recovery timeframes, and local disturbances
suggest that Maldivian reefs may not have time to recover before the next severe bleaching
event [35,54]. It is therefore critical that policies and management actions are created and
implemented that focus on reducing local and regional stressors. Effective management
initiatives will be crucial in facilitating the future resilience of both Maldivian reefs and the
livelihoods of those that depend on them.

4. Materials and Methods

4.1. Field Surveys

Coral mortality surveys were conducted from 2–8 December, 2016, approximately
7 months after the peak thermal stress occurred [7]. Six coral reef sites were monitored in
the Alifu Alifu and Baa Atolls (Figure 1) in the Republic of Maldives using modified Reef
Check International protocols [72]. In brief, within each reef, coral cover was surveyed
on both the reef crest and reef slope of lagoon reefs. Three 20 m transect lines were
surveyed at each depth, with 5 m between each transect (for a total of n = 6 transects per
reef site, 60 m length per depth). Shallow transects were placed along a 4–5.5 m contour
(average depth = 4.9 m ± 0.2), and deep transects were placed at a 9–11 m contour (average
depth = 10.7 m ± 0.3). Photos were taken at 1 m interval points along each transect from
approximately 1 m above the substrate and 0.5 m in each direction from the interval point.
The shallow transect of one reef, Hurasdhoo House Reef, was omitted from analysis due to
poor image quality.

4.2. Image Analyses

Photographs taken along each transect were assessed to determine the percentage of
cover of benthic organisms and substrate. Each photograph contained approximately one
square meter of the substrate. A grid was placed over each image to aid in the calculation
of substrate proportions. In every photograph each component of the benthic substrate was
recorded as a percentage of the total area and rounded to the nearest 5%. The categories
that were used to determine benthic substrate included the 10 Reef Check International
substrate categories, including hard coral, soft coral, recently dead coral, nutrient indicator
algae, sponge, rock, rubble, sand, silt, and other [72].

Only data in the hard coral category were analysed for the purpose of this study.
Insufficient numbers of some growth forms in the photographs limited the morphological
categories to two: branching and massive, within the first of which corymbrose corals were
grouped with branching and within the second of which sub-massive corals were grouped
with massive (see Table 2).
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Table 2. Categories used to characterize benthic substrate during image analysis.

Category Description

Live hard coral Live coral that is pigmented. Split into three morphology
categories.

Bleached hard coral
Live coral that appears white or fluorescent in color and has
lost normal pigment. Tissue has not been colonised by any

algae and is therefore considered to still be alive.

Recently dead hard coral

Coral colonies that have recently died. Skeletons had a light
covering of turf algae that distinguish them from

translucent tissue in bleached coral and pigmented tissue in
live coral. Algae cover was not well established and there
was no breakdown of skeletal structure, suggesting coral

mortality was recent.

Each of the hard coral categories were grouped by growth form and health status,
including live branching hard coral (BC), massive hard coral (MC), and hard coral of other
growth forms (HC). Those corals that were visibly bleached with translucent tissue covering
their skeleton were classified as bleached branching corals (BBC), bleached massive corals
(BBM), and bleached corals of other growth forms (BHC). Those corals that were recently
dead were also classified into their respective growth forms, including recently dead
branching corals (RDBC), recently dead massive corals (RDMC), and other recently dead
corals (RDHC).

Each of the hard coral categories used in the analysis are illustrated in Figure 6.
These photographs illustrate the specification of recently dead coral in both massive and
branching colonies as opposed to coral that has been dead for an extended period that has
since turned to rock or rubble (Figure 6). Examples are included from both shallow and
deep transects across various reef sites (Figure 6).

4.3. Statistical Analyses

To assess the impact of reef site, depth, and morphology on the percentage of cover of
live and recently dead coral, data were analysed using generalised linear mixed models
(GLMM, R version 3.6.3 [73]). The influence of reef, morphology, and depth was inves-
tigated using a full subsets model selection approach [74]. Following convention, the
simplest model with the lowest Akaike information criterion was considered optimal [74].
A null model with only the intercept and random effect was included to determine whether
any of the included variables were useful predictors of coral cover. The percentage of
live or recently dead hard coral was modelled in relation to reef site, coral morphology,
and transect depth, with transect included as a random effect. The model used a Tweedie
distribution with a log link and was modelled using the glmmTMB function within the
glmmTMB package [75].
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Figure 6. Examples of different coral health categories. The legend on each image indicates the site name (see Figure 1),
transect depth (either deep or shallow), and number (T1, T2, or T3), along with the recorded coral health category. Coral
health abbreviations include live branching coral (BC), bleached branching coral (BBC), recently dead branching coral
(RDBC), live massive coral (MC), and recently dead massive coral (RDMC).
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Abstract: Marine biomineralization is a globally important biological and geochemical process.
Understanding the mechanisms controlling the precipitation of calcium carbonate [CaCO3] within
the calcifying fluid of marine organisms, such as corals, crustose coralline algae, and foraminifera,
presents one of the most elusive, yet relevant areas of biomineralization research, due to the often-
impenetrable ability to measure the process in situ. The precipitation of CaCO3 is assumed to
be largely controlled by the saturation state [Ω] of the extracellular calcifying fluid. In this study,
we mimicked the typical pH and Ω known for the calcifying fluid in corals, while varying the
magnesium, calcium, and carbonate concentrations in six chemo-static growth experiments, thereby
mimicking various dissolved inorganic carbon concentration mechanisms and ionic movement
into the extracellular calcifying fluid. Reduced mineralization and varied CaCO3 morphologies
highlight the inhibiting effect of magnesium regardless of pH and Ω and suggests the importance of
strong magnesium removal or calcium concentration mechanisms. In respect to ocean acidification
studies, this could allow an explanation for why specific marine calcifiers respond differently to
lower saturation states.

Keywords: marine biomineralization; inorganic mineralization; coral reefs; ocean acidification (OA);
omega; dissolved inorganic carbon (DIC); extracellular calcifying fluid (ECF)

1. Introduction

Calcium carbonate (CaCO3) is the most important biogenic mineral, in terms of quan-
tity, global distribution, and diversity [1]. The production of CaCO3 provides a number
of ecological goods and services, such as shoreline protection and habitat structures. For
example, coral reefs are one of the most important living bioconstructions of CaCO3 [2]
harboring one-quarter to one-third of all marine species [3], and thus serving to be socially
and economically important [4]. Unfortunately, future projections show marine biominer-
alization will become severely impacted by ocean acidification (OA) due to the reduction
of carbonate ion concentrations in the oceans [5,6].

Corals calcify extracellularly in a fluid that is separated from the seawater by at least
two cell layers [7,8] and rely on a number of active and passive ionic exchanges. For
example, calcium ions are actively transported into the extracellular calcifying fluid (ECF)
by the epithelium cells of the coral polyp [9,10] while protons are removed [11], establishing
favorable conditions for the precipitation of CaCO3 [12]. Similarly, carbon either diffuses
into the ECF as carbon dioxide [CO2] or is actively transported into the ECF in the form of
bicarbonate [13,14]. Some coral species can calcify in ocean water that is undersaturated
with respect to aragonite [15], whereas other species cease to grow and vanish [16,17],
which demonstrates a range of biological controls governing the mineralization process.
Therefore, to understand which marine calcifiers will be affected by future reduction in
ocean saturation states and to estimate its implications for the global carbon cycle, we need
to explore a range of possible ECF scenarios.
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The significance of biologically-induced and biologically-influenced mineralization is
irrefutable. For example, the skeletal organic matrix [SOM] within corals is considered a
major factor controlling the precipitation of CaCO3. A number of studies have reported
that the SOM contains not only acid-rich proteins (e.g., sulphated proteoglycans), but also
assemblages of adhesion and structural proteins, which together are thought to provide a
template for aragonite precipitation [10,18–20]. Additionally, the dissolution and precipita-
tion of CaCO3 in aqueous solution is largely dependent on abiotic factors relating to the
saturation state (Ω) of the ECF [21,22], which is defined by the product of the dissolved ions
forming the mineral divided by the stoichiometric solubility product, Ksp

* (Equation (1)).

Ω = [Ca2+]*[CO3
2−]/Ksp

*, (1)

As expressed above, Ω is an extremely useful indicator of the equilibrium or dise-
quilibrium of a solution with a mineral surface. When the ion product, [Ca2+]*[CO3

2−],
equals the solubility product, Ksp

*, the saturation state equals one and the system is in
equilibrium. If the saturation state is below one because the ion product is lower than the
solubility product, the solution is undersaturated and the mineral dissolves. A saturation
state higher than one indicates supersaturation where the product of the ion concentrations
is greater than the solubility product. In this case, it is thermodynamically viable that
dissolved ions precipitate into a crystal structure [22]. The observation that the precipita-
tion rate of CaCO3 increases with an increasing saturation state [21,23–27] has led to the
development of empirical relationships (Equation (2)) that describe the calcification rate,
G, as a function of the saturation state, where k is the reaction rate constant and n is the
empirical reaction order.

G = k*[Ω − 1]n, (2)

This equation has been applied to predict calcification rates in corals [28] and has
successfully been used to simulate the dynamics of ion concentrations in the calcifying fluid
of corals and coccolithophores [14,28–30]. However, Equation (2) appears to ignore the
theoretical basis shown in Figure 1, which emphasizes how the product of varying calcium
and carbonate ion concentrations can obtain the same Ω value. This is also supported
by [31], which demonstrated how the rate of calcite precipitation differed due to the ratio
of calcium to carbonate despite having the same oversaturated Ω. Although Ω is a good
predictor of dissolution and precipitation of CaCO3, it does exclude the possibility that
ion concentrations differ while obtaining the same Ω and could therefore account for
observational variations among marine calcifiers.

 

Figure 1. Varying concentrations of calcium and carbonate ions [Ca2+:CO3
2−] at fixed Ωara of 25, 15, and 5. This demon-

strates the underlining principle that calcium and carbonate ion concentrations can obtain the same Ωara value at different
Ca:CO3 ratios, therefore questioning the empirical equation that prescribes the calcification rate as a function of Ωara alone.
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Based on this rational, we decided to incubate coral skeleton fragments under six con-
trolled abiotic chemo-static scenarios. By emulating previously measured ECF conditions,
we kept all the solutions oversaturated in respect to Ωara = 10, pH 8.7, and maintained a
typical tropical temperature of 25 ◦C. Experiment 1a recreated a magnesium [Mg] free con-
dition (strong Mg removal activity) with a high Ca:CO3 ratio (e.g., no dissolved inorganic
carbon (DIC) concentrating mechanism and a weak proton removal from the ECF), while
experiment 1b recreated a Mg-free solution with a low Ca:CO3 ratio (e.g., mimicking a DIC
concentrating mechanism resulting in DIC concentrations three times greater than ambient
seawater and a strong proton removal from the ECF resulting in elevated total alkalin-
ity (TA) four times greater than ambient seawater). Experiment 2a recreated a medium
Mg scenario (representing concentrations half that of the modern seawater) with a high
Ca:CO3 ratio, while experiment 2b recreated a medium Mg scenario with a low Ca:CO3
ratio. Experiment 3a recreated a high Mg scenario (equal to that of modern seawater, i.e.,
no active removal of ions from the ECF) with a high Ca:CO3 ratio, while experiment 3b
recreated a high Mg scenario with a low Ca:CO3 ratio.

2. Materials and Methods

2.1. Preparation of the Seed Material

There are a range of methodological approaches used to study CaCO3 precipitation,
previous studies have used powdered calcite 3–7 μm diameter as the seeding material [32],
or Iceland spar [31], living specimens, e.g., [33,34], or synthetic crystals [35]. We used
bioclastic fragments of Stylophora pistillata to add a potentially realistic coral aragonite
crystal structure and investigate if active ion transport, as mediated by the coral calcifying
tissue, suffices to drive coral calcification. The ion transporters of the tissue are simulated
via the pumped fluids. Our experiment, therefore, aimed to mimic natural processes.
However, the only biological component that was not included in the experiments were
the organic molecules. This approach is also comparable to a recently published study
that did include organic molecules in the incubations [36]. The seeding material for all
experiments was obtained from aquarium grown Stylophora pistillata (Leibniz Center for
Tropical Marine Research [ZMT], Bremen) and followed the methods of [36]. The coral
skeleton fragments were cleaned for 48 h with hydrogen peroxide (H2O2 30%) to remove
any soluble components and organic tissue. The coral skeleton fragments were then rinsed
in Millipore® water, dried at 40 ◦C for 24 h, afterwards ground in a planetary ball mill
(PM100, Retsch®) for 1 min, and dry sieved (1–200 μm). Individual bioclastic fragments
were then hand-picked under a light microscope and selected based on uniform size and
shape. These bioclasts are considered rough and represent a typical biogenic skeleton
structure. The heterogenetic nature of coral skeletal structure adds a potentially realistic
portrayal of the crystal surface adjustment to the ECF but also adds natural variability that
occurs in all treatments. Afterwards, each bioclastic fragment was placed in an individual
Eppendorf® Safe-Lock 0.5-mL microcentrifuge tube filled with ethanol and placed in an
ultrasonic bath for 5 min to remove residual powder and again dried at 40 ◦C for 24 h. A
by-product of this cleaning procedure could result in an increase of the micro-porosity of
the bioclastic fragments, by the removal of organic material or breakage. Each fragment was
weighed before and after the incubations on a Mettler Toledo® scale with a 1-μg precision
(room humidity 30% and temperature 22 ◦C). As the size and weight of each bioclastic
fragment was not perfectly uniform (0.364–1.449 g; Table A1), all bioclastic fragments were
evenly distributed among treatments. The initial and end weights, and standardized daily
weight increases can be found in the Appendix A (Table A1). To understand the difference
in precipitation rate, a two-way factorial analysis of variance (ANOVA), least square (LS),
and Tukey–Kramer honest significance difference (HSD) test of the standardized mean
weight change between the six experimental scenarios were performed using the software
JMP version 9.0. Microstructure formed during each experimental scenario was identified
using a scanning electron microscope (Tescan Vega 3 XMU SEM, ZMT) back-scatter electron
(BSE) images. Crystal structures of individual CaCO3 polymorphs (vaterite, calcite and
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aragonite) were analyzed under the Raman microscope at the Alfred Wegener Institute for
Polar and Marine Research (AWI) in Bremerhaven, Germany, with the help of Dr. Gernot
Nehrke. Due to the uneven surface of the incubated crystals, we did not perform a mapping
of the whole crystal but focused on individual crystal structures to qualitatively identify
the polymorphs with the Raman spectrum (Figure A1).

2.2. Experimental Setup

Ten custom-built incubation chambers made of Teflon [31,36] were used to conduct
three cross-factor experiments with two Ca:CO3 scenarios (high and low) in parallel with
three Mg concentrations (0 mM, 26.5 mM, and 53 mM) in series (Figure 2; Table 1). Each
chamber was attached with Tygon and Marprene® tubing to two 1-L Tedlar® gas sampling
bags filled with either a calcium chloride [CaCl2] or sodium bicarbonate [NaHCO3], the
preparation of the stock solution is detailed below. Five replicates were run for each
treatment. The volume of each incubation chambers was 0.25 mL. The initial flow rate of
the solutions into the chambers was accelerated to quickly fill the incubation chambers and
then reduced to a constant flow (10 μL min−1) via a 24-channel peristaltic pump (Ismatec®).
The seed material was placed in each of the incubation chambers and the experiments were
run between 32–70 days in a temperature-controlled Rumed® climate cabinet maintained at
a constant 25 ◦C (±0.5 ◦C). The variation in experimental duration was due to unexpected
health and safety issues of the authors not being allowed into the laboratory.

Figure 2. Schematic design of the experimental conditions showing (a) the separate stock solutions of Ca and CO3 passing
through the peristaltic pump and mixing in the reaction chambers, and (b) the physicochemical conversions of CaCO3,
bicarbonate [HCO3

−] and CO3 occurring during mineral precipitation and dissolution phases. Each of the six experimental
scenarios is outlined in Table 1.

2.3. Preparation of Stock Solutions

All experiment stock solutions were prepared with Millipore® water, which was
initially boiled to drive out dissolved CO2 and then kept in a constant N2 atmosphere
to prevent CO2 in-gassing. For all stock solutions pH was measured with a WTW-Multi
3430 Set K pH senor and calibrated with the pH 4 and 10 buffers at 25 ◦C. Among all
the experiments temperature, salinity, and pH remained constant at 25 ◦C, 36, and 8.7,
respectively. The aragonite saturation state, Ωara in all incubations was 10, with a satura-
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tion index, SIara = log(Ωara), of 2.8, which should induce aragonite precipitation. These
parameters represent conservative estimates of realistic scenarios for the coral ECF [11,37].
The aquatic properties chosen for the stock solutions in these experiments reflect the ECF
parameters known for Galaxea fascicularis, but may not be representative for other coral
species, e.g., [38,39]. The full details of the quantity of chemical compounds used for
each experiment can be found in Table 2. Each chemical compound was weighed on a
Mettler Toledo® scale with a 1μg precision (room humidity 30% and temperature 22 ◦C).
Concentrations of CaCl2 and magnesium chloride [MgCl2] in the calcium stock solution
and NaHCO3 in the carbonate stock solution were double the target concentrations for
calcium and carbonate ions because the fluids enter the incubation chambers at a 1:1 ratio
and dilute each other’s concentration by half (quantiles are given in Table 2A). After adding
all the necessary chemical compounds to the stock solutions, they were transferred into
1-L Tedlar® gas sampling bags [36] and put into the climate cabinet at constant 25 ◦C
(±0.5 ◦C). This study would improve greatly if microsensors were installed in the incuba-
tion chambers to monitor the real time chemistry. Unfortunately, our approach relies on
the calculated parameters inside the chambers similar to the work of [31,36].

The calcium stock solutions were prepared by dissolving CaCl2 in 5-L of carbon-free
Millipore® water. For the experiments containing magnesium, MgCl2 was added to the
stock solution of CaCl2. The Mg concentrations were chosen to represent a strong ion
removal mechanism (0 mM, control Mg treatment), a medium ion removal mechanism
[26.5 mM, equivalent to half the concentration in present day seawater], and a weak ion
removal mechanism (53 mM, equivalent to the concentration in present day seawater). The
amount of sodium chloride [NaCl] was then adjusted to maintain a final salinity of 36.
Neither carbon nor alkalinity was present in the CaCl2 stock solution (pH = 7), therefore
maintaining a zero DIC and TA concentration.

The carbonate stock solutions were prepared by dissolving NaHCO3 in 5-L of carbon-
free Millipore® water. Sodium hydroxide [NaOH] was added via titration to adjust TA and
to reach a pH of 8.716. The pH of the carbonate stock solution was 8.716 because when
it mixes with the CaCl2 solution (pH = 7) in the incubation chamber the pH will adjust
to 8.700 because DIC and TA are known to mix conservatively [40]. DIC and TA were
calculated for equilibrium carbonate chemistry in NaCl using the dissociation constants
of [41].

Table 1. Solutions setup for incubation experiments. Calcium, magnesium, and DIC concentrations
are arranged by the amounts of CaCl2, MgCl2, and NaHCO3 added to the solutions. Temperature and
salinity remained constant at 25 ◦C and 36 g kg−1, respectively. Carbonate concentrations and TA are
calculated for equilibrium carbonate chemistry in NaCl using the dissociation constants of [41].

Exp.
Ca2+:CO3

2− Mg2+:Ca2+ Ca2+ CO3
2− Mg2+

Ωara pH
DIC TA

mol:mol mol:mol mM μM mM μM μM

1a 47 0 10.6 226 0 10 8.7 1777 2440
1b 2.8 0 2.6 926 0 10 8.7 7270 9885
2a 47 2.5 10.6 226 26.5 10 8.7 1777 2440
2b 2.8 10.2 2.6 926 26.5 10 8.7 7270 9885
3a 47 5 10.6 226 53 10 8.7 1777 2440
3b 2.8 20.4 2.6 926 53 10 8.7 7270 9885

Although the concentration of calcium in the ECF is known to vary, previous studies
have recorded values between 9–15 mM from cold-water corals 9–12.3 mM with a mean
of 9.9 mM; [42] and the tropical corals Pocillopora damicornis and Acropora youngei range
between ca. 9–15 mM; [43]. The target value of 10.6 mM calcium, was chosen for the
incubations with a high Ca:CO3 (47:1) stoichiometry because it represents conditions
measured with microelectrodes in the ECF of Galaxea fascicularis 9–11 mM; [11]. Although
the target value of 2.6 mM calcium is perhaps unrealistically low, it was chosen for the
incubations with a low Ca:CO3 (2.8:1) stoichiometry to emulate a strong proton removal
from the ECF (resulting in elevated TA four times greater than ambient seawater), as well
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as a DIC concentrating mechanism (three times greater DIC than ambient seawater) as
proposed by a number of authors [28,44–46]. These Ca:CO3 stoichiometries were also
chosen to maintain constant pH and Ωara between the treatments.

3. Results

3.1. Precipitation Rates

A highly significant interactive effect of Mg ion concentration and Ca:CO3 concentra-
tion was observed (Figure 3; Table 2; F[2,24] = 150.924, p < 0.001). When Mg was included
into the aquatic solution, neither a significant weight change of the CaCO3 seed nor a
difference between the two Ca:CO3 scenarios were observed (Table 2; Table A1). Con-
versely, both Mg-free Ca:CO3 scenarios had significant weight increases. The Mg-free 47:1
Ca:CO3 scenario had a calcification rate four times that of the Mg-free 2.8:1 Ca:CO3 scenario
(Figure 3, points labelled A and B). The average weight increase (± SD) in the Mg−free 47:1
Ca:CO3 treatment was 1.017 (± 0.130] mg d−1 and 0.229 (± 0.061) mg d−1 in the Mg-free
2.8:1 Ca:CO3 treatment. The high amount of newly formed CaCO3 measured in the Mg-free
47:1 Ca:CO3

2− is partly explained by spontaneous nucleation, which was only observed
in this scenario. Slight dissolution was observed under the intermediate (26.5 mM] and
high (53 mM) Mg scenario with a 47:1 Ca:CO3 concentration (−0.001 mg d−1 ± 0.001 and
−0.002 mg d−1 ± 0.003, respectively). The intermediate and high Mg scenario with a
2.8:1 Ca:CO3 concentration had no significant weight changes (0.000 mg d−1 ± 0.001 and
0.002 mg d−1 ± 0.007, respectively), the Ca:CO3 concentration had no effect on the growth
rate when Mg ion concentration was equal to or half that found in the ambient ocean,
indicating that in this situation Mg has a stronger inhibiting effect towards calcification
than Ca:CO3 concentrations.

Figure 3. Scatter plot showing the standardized total weight change per day [mg d−1] of each
experimental scenario. The data shows a clear inhibiting effect of Mg and 2.8:1 Ca:CO3 stoichiometry
towards inorganic mineralization. Treatments not connected by the same alphabetical symbol (A, B,
or C) are significantly different as shown in Table 2; F[2,24] = 150.924, p < 0.001.
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Table 2. Two-way factorial ANOVA and least square (LS) means difference. The effect test showed
significant interaction between Ca:CO3 and Mg concentration. Tukey–Kramer HSD comparisons
indicates a significant difference between Mg-free and high Ca:CO3, and all other treatments, as well
as Mg-free and low Ca:CO3 and all other treatments.

Source DF SS MS F-Ratio p > F

Model 5 4.142 0.828 240.390 <0.001
Mg2+ 2 2.592 375.980 <0.001

Ca2+:CO3
2− 1 0.510 148.143 <0.001

Mg2+ * Ca2+:CO3
2− 2 1.040 150.924 <0.001

Error 24 0.083 0.003
Total Error 29 4.224

3.2. Mineralogy and Crystal Morphology

Back-scatter electron (BSE) images of the CaCO3 surfaces show distinct morpho-
logical differences between the six treatments. The Mg-free (control Mg treatment) 47:1
Ca:CO3 incubations formed homogeneous and heterogeneous nucleation in the form of
crosshatched vaterite pre-spherical and laminated cubed calcite (Figure 4a). In the Mg-free
2.8:1 scenario, laminated cube calcite precipitated, along with amorphic calcium carbon-
ate (ACC) or a stable prenucleation calcium carbonate cluster c.f. [47], and presumably
unfinished calcite transforming from proto-vaterite precursors (Figure 4b). Despite the
absence of a measurable weight increase from both the Mg addition scenarios with the 2.8:1
Ca:CO3, newly formed aragonite needles were visibly precipitated on top of the seeding
material (Figure 4d,f). Well-defined and abundant acicular crystals were precipitated in
random directions and from multiple centers of nucleation as well as from cemented CaCO3
(Figure 4f). In the scenario with high Mg concentration (equal to present day seawater, 53
mM) and at a 2.8:1 Ca:CO3, CaCO3, cements were also observed along with dissolution
pits in a needle form (Figure 4f). In the scenario with lower Mg concentration (equal to half
the present-day seawater, 26.5 mM) with a 47:1 Ca:CO3, both ACC and dissolution pits
were observed, in addition to Mg-calcite (Figure 4c). Conversely, in the scenario with the
high Mg concentration and 47:1 Ca:CO3, cements primarily formed along with dissolution
pits, and low-relief aragonite needles within the seed material crevices (Figure 4e).
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Figure 4. Representative SEM images of the precipitated CaCO3 from each experimental scenario. This shows the influence
of Ca:CO3 stoichiometry, as well as the Mg concentration on the CaCO3 morphology. The Mg-free incubations with a 47:1
Ca:CO3 (a) resulted in crosshatched vaterite and layered rhombohedral calcite. Mg-free incubations (control Mg treamtent)
with a 2.8:1 Ca:CO3 stoichiometry (b) resulted in an intermediate form of ACC together with rhombohedral calcite and
some signs of dissolution. Where the Mg concentration was half that of the modern seawater values (26.5 mM) and with a
47:1 Ca:CO3 stoichiometry (c) resulted in a Mg-calcite structure c.f. [48]. Mg concentration of 26.5 mM with a 2.8:1 Ca:CO3

stoichiometry (d) resulted in the formation of aragonite needles. In the scenario where the Mg concentration was 53 mM
(equivalent to modern seawater values) no matter if the Ca:CO3 stoichiometry was 2.8:1 or 47:1 (e,f) very little new CaCO3

material precipitated, instead we can see ACC with low relief aragonite needles or unconnected aragonite needles and
dissolution pits.

4. Discussion

This study compartmentalizes hypothetical abiotic conditions of the ECF, with the aim
to gain a broader understanding of the chemical mechanisms relating to biomineralization
among tropical marine calcifiers. We show that despite the same ion product of Ca and CO3,
calcification rates vary with different Ca:CO3 ratios and Mg concentrations. In agreement
with [31,36], this study emphasizes the importance of considering the ratio of Ca:CO3 when
estimating the Ωara within the ECF of marine calcifiers as exemplified in Figure 1. It is worth
noting that in these experiments calcite and vaterite were also precipitated. The calculated
Ωara in all experiments was 10, Ωcalcite was 15.15. Even though Ωvaterite has been reported
to be lower than Ωara and Ωcalcite it is not possible to calculate Ωvaterite because this requires
knowledge of the solubility product [49,50]. Our results show that high calcification rates,
are not possible when the Mg concentration is equal to or half that of present-day oceanic
concentrations, unless it is counterbalanced by a number of additional factors such as
Ca:CO3 stoichiometry, temperature, Ωara, proton pumping, or organic molecules. This
study infers that the specific conditions required for CaCO3 precipitation among marine
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calcifiers is positively amplified by the organism. It is difficult to fully understand the
process that controls biomineralization without further in situ ionic measurements from
the ECF or more in vitro experiments.

4.1. Comparing Low and High Ca:CO3 Scenarios

Generalized CaCO3 precipitation models, as described by [23,28], present disagree-
ment regarding the values for the coefficients n and k [24,25,51], which overestimate the
calcification flux at low carbonate concentrations, e.g., when the ECF becomes DIC lim-
ited. It is well documented that biomineralization requires elevated Ω and in doing so
implies DIC concentrating mechanisms [28,44–46]. However, direct DIC measurements
from the ECF within tropical corals indicate concentrations similar to that of ambient
seawater [37], which may result from high DIC consumption during calcification. As seen
in previous studies, calcification among tropical corals can be maintained by elevating
the Ca ions in the ECF to compensate decreasing seawater pH [43], while decreasing the
strontium:calcium [Sr:Ca] and borate [B(OH)4:CO3

2−] ratios [52]. When comparing the
low Ca:CO3 (mimicking strong proton removal from the ECF resulting in elevated TA four
times greater than ambient seawater, and a DIC concentrating mechanism resulting in
DIC three times greater than ambient seawater) with the high Ca:CO3 scenario [ambient
seawater DIC and TA] at elevated pH = 8.7 and Ωara = 10 and 0 Mg [control Mg treatment],
calcite precipitation rates were three times greater in the ambient seawater treatment than
in the DIC concentrating mechanism treatment (Figure 3). This implies that ambient DIC
is sufficient to induce calcification provided that homeostasis is maintained in the ECF
and the DIC withdrawal from calcification is balanced by ionic flow rates in and out of the
ECF [44–46].

4.2. The Connection between Mg and Calcification

Marine carbonate-producing organisms exert strong biogenic control to promote
calcification within their ECF. This biogenic control is evident by the various mineralogy
types and microstructures found among marine carbonate-producing organisms [53].
Calcite is preferentially precipitated as a function of lower temperatures and/or Mg:Ca
ratios [54], in addition to the preferential substitution of Ca for Mg, e.g., high-Mg calcite [25].
For example, previous studies have shown coralline algae [33], scleractinian corals [34],
and juvenile scleractinian coral [55] can produce calcite when the Mg:Ca ratio of seawater
is <2 (e.g., Cretaceous calcitic seas) but at a slower rate. A recent study also found the
presence of Mg ions to inhibit not only calcite nucleation during crystal formation but also
aragonite [56]. Similarly, it has been shown that strontium also inhibits precipitation rates
as a direct correlation with the aqueous calcium activity, thus preventing the attachment of
calcium ions to the reactive sites [57,58]. Aragonite microstructure has also been shown to
vary as a function of calcification rate, from rapidly formed granular centers of calcification
to slower formed fibrous needles [59,60] as determined by the fractionation of δ18O and
δ13C isotopes [61,62] and Mg:Ca ratios [59,60,63].

4.3. Polynucleation and Spontaneous Nucleation

The ratio of calcium to carbonate clearly matters within the ECF, as it has been shown
to describe the rate and morphology of CaCO3 (Figures 3 and 4). Precipitation pathways
can be either direct or sequential depending on the free energy available on the surface as
determined by pre-nucleation clusters (PNC), growth, and transformation [64–67]. Polynu-
cleation occurred in all scenarios in this study, which led to a complex situation increasing
the number of active sites on the surface layer, and therefore a stronger dependence on
supersaturation than solely the layer-by-layer mineralization process [31]. Further compli-
cations arise because the rate-determining step may change with time as the number of
defects and the relative dimensions of the crystal faces become modified during precip-
itation. Therefore, there are often deviations from the idealized kinetic models, as there
may be a number of mechanisms operating in concert [66–68]. It is interesting to note
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that spontaneous nucleation appeared in the experiment with high excess of calcium ions
relative to carbonate ions (i.e., the ambient DIC and TA seawater treatment) but not in the
low Ca:CO3 treatment (i.e., the DIC concentrating mechanism scenario), however previous
studies have shown that PNC usually form in a low Ca:CO3 solution, equivalent to the
binding of ions during crystal formation [47]. This may be due to metastable conditions un-
der which precipitation of the mineral is delayed despite the solution being oversaturated
in respect to Ωara [67].

The higher calcification rates in the Mg-free and 47:1 Ca:CO3 scenario were obtained
primarily due to spontaneous nucleation within the incubation chamber leading to much
higher precipitation and thus greater reactive surface area. Previous calcite precipitation
experiments in supersaturated (Ωcalcite 5, 16; pH = 10; T = 20 ◦C) conditions did not produce
spontaneous nucleation and showed an optimum precipitation rate when Ca:CO3 = 1:1 [31].
However, there are differences between this study and [31], one of which is the use of
NaHCO3 to prepare the carbonate solution in this study instead of K2CO3. This together
with a temperature difference of 5 ◦C can potentially explain the variation between our
observations and [31].

4.4. CaCO3 Polymorphs

In the SEM images (Figure 4), the Mg-free high Ca:CO3 scenario we see ACC, metastable
inter-crosshatched vaterite pre-spheres, and rhombohedral calcite blocks. The sequential
dissolution and re-precipitation mechanism can be explained via the kinetic rate, which
is primarily controlled by the surface area of the crystal [69]. The mixture of vaterite and
calcite suggests that calcite mineralization is the rate-determining step. The substitution of
Mg into the ACC will however precipitate directly into calcite without the intermediate
vaterite phase [70,71] as seen in the 2.5 Mg high Ca:CO3 scenario (Figure 4c]. Under the
present-day Mg:Ca ratio, aragonite dominates the kinetics of nucleation due to the calcite
nucleation barrier being greater than metastable aragonite [72], which explains the lack
of calcite in the high-Mg scenario. However, nucleation and precipitation in both the
high-Mg scenarios where close to zero, implying that the aragonite seeding material was
in equilibrium with the solution as shown by the dominance of ACC (Figure 4d–f) and
dissolution pits in the shape of aragonite needles (Figure 4f).

The Ca:CO3 ratio as well as the Mg concentration affected the CaCO3 polymorph
precipitated from the oversaturated solutions (Figure 4). In the Mg-free incubations, we
obtained crosshatched vaterite and layered rhombohedral calcite in the high Ca:CO3
scenario (Figure 4a] and an intermediate form of ACC together with rhombohedral calcite
in the low Ca:CO3 scenario (Figure 4b). In the incubations with 26.5 mM Mg, we obtained
an unconnected Mg-calcite in the high Ca:CO3 scenario (Figure 4c) and aragonite needles
in the low Ca:CO3 scenario (Figure 4d). With a 53 mM Mg concentration, representing
normal seawater conditions, very little new material precipitated, most of which were ACC
with sparse low relief aragonite needles (Figure 4e) or unconnected aragonite needles with
dissolution pits in the form of needles (Figure 4f). Varying the Ca:CO3, while keeping the
Mg concentration fixed, changes the Mg:Ca ratio, which may have driven the differences
in polymorphs shown in Figure 4c,d. Overall, the variety of polymorphs precipitated at a
pH of 8.7 and an Ωara of 10 demonstrates that Ω alone does not control the precipitation
process, as also suggested by [73]. Therefore, caution should be applied when inferring
saturation state from the crystal morphology [60], particularly if other factors, e.g., Mg
concentrations, temperature, or DIC, are not known.

Even though this study removes the organic aspect of biomineralization, organic molecules
have been shown to act as a template to facilitate or induce crystallization [20,74–77] due to
their strong binding potential with calcium ions [78,79]. The source of the organics is
likely a combination of polyp-derived SOM and seawater-derived SOM as demonstrated
from a comparison of coral skeletons and abiotic aragonite [80]. However, the presence
of SOM or coral mucus in oversaturated solutions has also been shown to inhibit the
nucleation of CaCO3 [81] or pose no effect towards the rate of calcification [31]. Rather,
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organic molecules appear to influence the CaCO3 polymorph that precipitates from an
oversaturated solution [31,77,82]. This suggests that organic molecules have a greater
influence on the processes at the crystal surface that leads to the formation of a crystal
structure, but not the kinetic processes, which transports the ions to the crystal surface.

An interesting observation from this study is that the aragonite needles precipitated
in synthetic seawater (observed in the 26.5 mM Mg with a 2.8:1 Ca:CO3 treatment] with no
added biomolecules have a similar morphological appearance to synthetic aragonite exper-
iments made from natural seawater, presumably with some residual organic carbon [60].
This could suggest that coral aragonite crystals may precipitate abiogenically after being
initially nucleated, since abiotic systems that lack biomolecule templates altogether show
similar morphologies.

4.5. Implications for Coral Reef Calcifiers

The concentrations of Mg or PO4, which actively influence crystallization [21,23,24,67,83],
are not well known for the ECF among marine organisms. Several studies assume the Mg
concentrations in the ECF to be the same as in seawater and thus imply very high Ωara (>20)
in order to explain the high precipitation rates as observed in corals [11,23,24,70–79,81,84].
Pioneer studies, which utilized various techniques, are largely in agreement with the
range of Ωara in the ECF. For example, based on microsensor measurements, Ωara ranges
from 11–25.5 [11,12,38,46], with the exception of 3.2 in the dark [11], 11–12.3 from Raman
spectra [43,85], 11–25 inferred from δ11B isotopes [44,86], 11.1–17.3 predicted by X-ray
diffraction-based crystallographic estimates [87], and previously reviewed by [38] to range
between 10.16–38.31. While, previous studies have reported the pH in the ECF to be 0.5–
0.2 units higher than ambient seawater [46] and that homoeostasis can be maintained within
the ECF regardless of varying external seawater pH [88]. Thus, implying a wide range of
plausible Ca:CO3 and Ca:Mg ratios within the ECF which enable CaCO3 precipitation.

Measured Mg:Ca ratios from coral skeletons are between 1.5–5.5 mmol/mol [89–92]
and from inorganic aragonite has between ~8.5–10 mmol/mol [59], while inorganic calcite
has between 30–140 mmol/mol [93], demonstrating the importance of a Mg removal
mechanism to facilitate the rate and morphology of calcification. Our results show that
high calcification rates observed in corals are not possible when the Mg ion concentration
in the ECF is equal to or half that of present day oceanic concentrations (Mg:Ca > 2.5). The
high calcification rates observed in this study suggest a mechanism for active removal
of inhibiting ions such as Mg from the coral ECF or a Ca concentration mechanism as
suggested previously [43]. These points stress the well held belief that biomineralization
is a highly complex and biologically mediated process, orchestrated by the secretion of
organic molecules [94] and active ion transport [29].

Heterogeneous nucleation is largely inferred by the presence of biomolecules such as
acid-rich proteins (e.g., sulphated proteoglycans) and various adhesion and structural pro-
teins [10,18,19] are considered vital for the promotion and functioning of CaCO3 structures.
Additionally, the presence of SOM is known to influence the CaCO3 crystal polymorph
precipitated from over saturated solutions [82]. Recent experiments [36] confirmed an
inhibiting role of coral organic molecules towards rate but not form of CaCO3 [81]. For
instance, the role of an ACC precursor phase is likely initiated by a series of controlled
biomineralization mechanisms [95,96], particularly for polymorphic calcifying marine
organisms. Heterogeneous nucleation has been observed in a range of marine calcifiers
such as barnacles [97], echinoderms [95,98], coralline algae [99], foraminifera [100], and
corals [43,96].

5. Conclusions

To understand the nuances of how coral reef calcifiers can adapt to global change,
such as ocean acidification, we need to better understand the ionic composition at the site
of calcification. Unfortunately, in the short-term tropical calcifying organisms show little ac-
climatization potential to ocean acidification [101] particularly when coupled with thermal
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stress [102], but there are few examples of resistance by altering the ionic concentrations in
the ECF, for example Ca [43]. Additionally, this study considered the influence of various
Ca:CO3 stoichiometry and Mg concentrations on the precipitation rates and morphology
of CaCO3 in a homeostatic experiment. Although there is still a need to conduct more
experiments covering a range of other possible scenarios, we believe that our findings are
highly relevant within the field of coral reef research for the following reasons:

1. Varying concentrations of calcium and carbonate ions at fixed Ωara demonstrates the
underlining principal that calcium and carbonate ion concentrations can obtain the
same Ωara value at different Ca:CO3 stoichiometry and questions the generalized ap-
plicability of the empirical equation that prescribes the calcification rate as a function
of Ωara alone.

2. As shown, calcifying fluid stoichiometry alters the precipitation rate and morphology
of CaCO3 at a constant Ω and pH. Therefore, our findings suggest caution should be
applied when inferring saturation state from the crystal morphology, particularly if
other factors e.g., Mg, temperature, or DIC are not known.

3. When comparing a strong proton removal scenario and a DIC concentrating mecha-
nism to a scenario with ambient seawater pH and DIC conditions, calcite precipitation
rates were three times greater in the ambient seawater conditions. Implying ambient
seawater pH and DIC within the calcifying fluid is sufficient to induce calcification
provided homeostasis is maintained.

4. Mg exerts a stronger effect on the instability of CaCO3 than Ca:CO3 stoichiometry,
in which Mg incorporation locally disturbs the coordination environment in the
aragonite structure [87,103]. These differences emphasize the importance of Mg
removal from the calcifying fluid. Future studies are recommended to additionally
monitor the Mg concentration in the calcifying fluid along with the carbon chemistry.
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Appendix A

Table A1. Initial and final seed weights, including the duration of the experiment and the standard-
ized weight change. Experimental identification corresponds to the aqueous conditions detailed in
Table 1. The seed weight values are listed in grams, the experimental identification code is listed as
Exp., the individual CaCO3 bioclast identification is listed under Seed, the initial weight and end
weight of the seed material correspond to column t0 and te, the number of days in the experimental
conditions is in column D (variation in experimental duration was due to unexpected health and
safety issues), and the standardized weight change per day (g d−1) is in column DΔ.

Exp. Seed t0 te D DΔ

1a 1Mg-Free 0.480 30.290 32 0.932
1a 2Mg-Free 0.657 36.500 32 1.120
1a 3Mg-Free 0.883 30.620 32 0.929
1a 4Mg-Free 1.057 30.220 32 0.911
1a 5Mg-Free 1.202 39.370 32 1.193
1b 6Mg-Free 0.591 9.320 32 0.273
1b 7Mg-Free 0.862 5.260 32 0.137
1b 8Mg-Free 0.983 7.480 32 0.203
1b 9Mg-Free 1.064 10.300 32 0.289
1b 10Mg-Free 1.218 9.070 32 0.245
2a 1Mg 0.212 0.310 70 0.001
2a 2Mg 0.715 0.570 70 −0.002
2a 3Mg 0.777 0.649 70 −0.002
2a 4Mg 0.924 0.718 70 −0.003
2a 5Mg 1.013 1.006 70 0.000
2b 6Mg 0.423 0.322 70 −0.001
2b 7Mg 0.766 13.003 70 0.175
2b 8Mg 0.818 0.793 70 0.000
2b 9Mg 0.972 0.944 70 0.000
2b 10Mg 1.336 1.381 70 0.001
3a 1Mg + 0.364 0.360 38 0.000
3a 2Mg + 0.816 0.643 38 −0.005
3a 3Mg + 0.947 0.902 38 −0.001
3a 4Mg + 1.150 1.146 38 0.000
3a 5Mg + 1.274 1.212 38 −0.002
3b 6Mg + 0.668 0.534 38 −0.004
3b 7Mg + 0.918 0.922 38 0.000
3b 8Mg + 1.069 1.064 38 0.000
3b 9Mg + 1.220 1.237 38 0.000
3b 10Mg + 1.449 1.485 38 0.001

Table A2. The quantity of compounds (mg/5 L) added to the stock solution to obtain the experimental
parameters outlined in Table 1.

Calcium Stock (mg/5 L) Carbonate Stock (mg/5 L)
Exp.

CaCl2 MgCl2 NaCl NaHCO3 NaCl

1a 15.583 0.000 164.416 1.493 178.507
1b 3.809 0.000 176.191 6.107 173.893
2a 15.583 53.874 110.542 1.493 178.507
2b 3.809 53.874 122.316 6.107 173.893
3a 15.583 107.749 56.667 1.493 178.507
3b 3.809 107.749 68.442 6.107 173.893

191



Oceans 2021, 2

Figure A1. CaCO3 polymorphs (aragonite, calcite, and vaterite) were identified via Raman spectroscopy, which were first
morphologically identified by SEM on the incubated crystals. These Raman spectra were used to qualitatively identify the
crystal structures found on the seeding crystals after incubation.

Script A1. Below are the calculations used to modify the artificial seawater for the six experiments.

# script for calculating salts and acids to set up solutions for experiment
import numpy as np
import scipy.optimize as opt
#************************************************************************************************************
# some functions
def KstarW(tempK,salt): #after Millero_1995 p.670 Eq.63 and OA best practices guide
a0 = −1.384726e4
a1 = 1.489652e2
a2 = −2.36521e1
b0 = 1.1867e2
b1 = −5.977
b2 = 1.0495
g = −1.615e−2
lnKWT = a0/tempK + a1 + a2*np.log(tempK)
fT = b0/tempK + b1 + b2*np.log(tempK)
kstarw = np.exp(lnKWT + fT*(salt**0.5) + g*salt)
return kstarw
def Kstar1(tempK,salt): #after OA best practices guide
kstar1 = 10**(−3633.86/tempK + 61.2172−9.67770*np.log(tempK) + 0.011555*salt−0.0001152*salt**2.)
return kstar1
def Kstar2(tempK,salt): #after OA best practices guide
kstar2 = 10**(−471.78/tempK−25.9290 + 3.16967*np.log(tempK) + 0.01781*salt−0.0001122*salt**2.)
return kstar2
def Ksp_ara(tempK,salt):
ksp_ara = −171.945−0.077993*tempK + 2903.293/tempK + 71.595*np.log10(tempK) + (−0.068393 +0.0017276*tempK

+ 88.135/tempK)*salt**0.5−0.10018*salt + 0.0059415*salt**1.5 #mol2 kg−2
return 10.0**ksp_ara
def Kstar0(tempK,salt): # after Weiss, R. F., Marine Chemistry 2:203−215, 1974. (taken from CO2sys)
TempK100 = tempK/100.0;
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lnK0 = −60.2409 + 93.4517/TempK100 + 23.3585 * np.log(TempK100) + salt *(0.023517 - 0.023656 * TempK100 +
0.0047036 * TempK100 **2.)

K0 = np.exp(lnK0) # this is in mol/kg-SW/atm
return K0
def Ksp_cal(tempK,salt):
ksp_cal = −171.9065−0.077993*tempK + 2839.319/tempK + 71.595*np.log10(tempK) + (−0.77712 +0.0028426*tempK

+ 178.34/tempK)*salt**0.5−0.07711*salt + 0.0041249*salt**1.5 #mol2 kg−2
return 10.0**ksp_cal
#************************************************************************************************************
# molar masses
m_Na = 22.98977 # [g/mol]
m_Ca = 40.078 # [g/mol]
m_Mg = 24.3050 # [g/mol]
m_Cl = 35.4527 # [g/mol]
m_C = 12.0107 # [g/mol]
m_O = 15.9994 # [g/mol]
m_H = 1.00794
m_H2O= 2*m_H + m_O
m_CaCl2 = m_Ca + 2.0*m_Cl + 2.0*m_H2O # [g/mol]
m_MgCl2 = 203.30 # [g/mol]
m_NaCl = m_Na + m_Cl # [g/mol]
m_Na2CO3 = 2.0*m_Na + m_C + 3.0*m_O # [g/mol]
m_NaHCO3 = m_Na + m_H + m_C + 3*m_O
#************************************************************************************************************
# constant forcing and salt matrix
Temperature = 25.0 # Celsius
Salinity = 36.0 # we use g per kg
TK = 273.15 + Temperature
Sal = Salinity
K0F = Kstar0(TK,Sal)
K1F = Kstar1(TK,Sal)
K2F = Kstar2(TK,Sal)
KWF = KstarW(TK,Sal)
Ksp = Ksp_ara(TK,Sal)
Kspcal = Ksp_cal(TK,Sal)
#************************************************************************************************************
#!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!
# input variables:
# target values (in the experiment):
pH_chamber = 8.7
Omega_chamber = 10.0
Mg_chamber = 53.0e−3/1.0 # mol kg−1
#Ca_chamber = 10.60e−3 # mol kg−1
# or
Stoichiometry = 1.0/1.0 # mol Ca : mol CO3
Ca_chamber = np.sqrt(Omega_chamber*Ksp*Stoichiometry)
H_chamber = 10.0**(-pH_chamber)
#!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!!
#————————————————————————-
# calculated values
# for the calculation of calcium and carbonate ions, I use two equations:
# Stoichiometry = Calcium/CO3
# Omega = Calcium*CO3/Ksp
# # now I solve for CO3

193



Oceans 2021, 2

# CO3 = Calcium/Stoichiometry
# CO3 = Omega*Ksp/Calcium
# Calcium/Stoichiometry = Omega*Ksp/Calcium # *Calcium *Stoichiometry
# Calcium**2 = Omega*Ksp*Stoichiometry
#————————————————————————-
# once I know Calcium the rest is as follows
# (Chamber values)
CO3_chamber = Omega_chamber*Ksp/Ca_chamber # mol kg−1
DIC_chamber = CO3_chamber*(K1F*H_chamber + H_chamber*H_chamber + K1F*K2F)/(K1F*K2F)
CAlk_chamber = DIC_chamber*K1F*(H_chamber + 2.0*K2F)/(H_chamber*H_chamber + K1F*H_chamber + K1F*K2F)
OH_chamber = KWF/H_chamber
TA_chamber = CAlk_chamber + OH_chamber - H_chamber
Omegacal = Ca_chamber*CO3_chamber/Kspcal
print ‘Omega calcite = ‘, Omegacal
#************************************************************************************************************
# output
# (Chamber values)
print ‘ ‘
print ‘expected values:’
print ‘Ca =‘, Ca_chamber*1e3, ‘e−3 mol kg-1’
print ‘Mg =‘, Mg_chamber*1e3, ‘e-3 mol kg-1’
print ‘CO3 =‘, CO3_chamber*1e6, ‘e-6 mol kg-1’
print ‘pH =‘, pH_chamber
print ‘DIC =‘, DIC_chamber*1e6, ‘e-6 mol kg-1’
print ‘TA =‘, TA_chamber*1e6, ‘e-6 mol kg-1’
print ‘Omega =‘, Omega_chamber
print ‘stoichiometry =‘, Ca_chamber/CO3_chamber,’: 1’, ‘(mol Ca : mol CO3)’
print ‘Cai paper: Omega=‘, 10.6e−3*600.0e−6/Ksp
#************************************************************************************************************
# (Bag values)
print ‘ ‘
print ‘the amounts of salts needed are:’
g_CaCl2 = Ca_chamber*m_CaCl2*2.0 # times two because the concentrations will be diluted in the chamber
g_MgCl2 = Mg_chamber*m_MgCl2*2.0 # times two because the concentrations will be diluted in the chamber
print g_CaCl2*5.0, ‘g CaCl2 per 5 Liters’
print g_MgCl2*5.0, ‘g MgCl2 per 5 Liters’
# (Bag values)
g_NaHCO3 = DIC_chamber*m_NaHCO3*2.0# times two because the concentrations will be diluted in the chamber
print g_NaHCO3*5.0, ‘g NaHCO3 per 5 Liters’
print ‘and to adjust salinity in the solutions we need:’
g_NaCl_1 = Salinity-g_CaCl2-g_MgCl2 # since Salinity is defined as g/kg
print g_NaCl_1*5.0, ‘g NaCl per 5 Liters in the CaCl2 bag:’
g_NaCl_2 = Salinity-g_NaHCO3 # since Salinity is defined as g/kg
print g_NaCl_2*5.0, ‘g NaCl per 5 Liters in the NaHCO3 bag:’
print ‘remark:’
print ‘(Although I believe that the amount of carbonate might be overestimated and that measured Salinity might

actually be lower. However, we can test this with a calibrated salinity electrode.)’
#************************************************************************************************************
print ‘ ‘
print ‘ ‘
print ‘and the pH of the solutions will be:’
C0 = DIC_chamber*2.0
print ‘DIC = ‘, C0
pKW = -np.log10(KWF)
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pKS1 = -np.log10(K1F)
pKS2 = -np.log10(K2F)
pKB1 = pKW-pKS1
pKB2 = pKW-pKS2
print ‘pKS1=‘, pKS1, ‘pKS2=‘, pKS2
#pH_NaHCO3 = 0.5*(pKS1-np.log10(C0))
pH_NaHCO3 = pKW−0.5*(pKB1-np.log10(C0)) # this does not work because the approximation that the acid is only

a 1 proton acid is too crude.
#pH_NaHCO3 = 0.5*(pKS1 + pKS2) # for an amphoter
print ‘approximated pH for NaHCO3=‘, pH_NaHCO3
#************************************************************************************************************
# now calculate the real pH
# molarity of base or acid to add
mol_base = 0.04 # mol L−1
mol_acid = 10.172/1000.0 # mol L−1
K0 = K0F
K1 = K1F
K2 = K2F
KW = KWF
# the function of the H+ concentration is an equation of fourth order and has to be solved numerically
# I use fmin to solve it:
# (Bag values)
DIC_CO3 = DIC_chamber*2.0
# the equation differs if you use NaHCO3 because the charge balance is slightly different:
def H_func_NaHCO3(H):
val = (KW/H + H*DIC_CO3/(H*H/(K2*K1) + H/K2 + 1.0)/K2 + 2.0*DIC_CO3/(H*H/(K2*K1) + H/K2 + 1.0)-H-

DIC_CO3)**2.0
#print val
return val
# take a good guess from the approximation
H_init = 10**(-pH_NaHCO3)
H_opt = opt.fmin(H_func_NaHCO3, H_init, xtol = 0.1, ftol = 0.000001, maxiter = None, maxfun = None, full_output

= 0, disp = 1, retall = 0, callback = None)
print ‘print H for NaHCO3:’
print ‘H for NaHCO3 = ‘, H_opt
pH_NaHCO3_opt = -np.log10(H_opt)
print ‘print pH for NaHCO3:’
print ‘the resulting pH of the NaHCO3 solution is’, pH_NaHCO3_opt
#************************************************************************************************************
# we will not adjust the pH of the CaCl2 bag !!!
# the milliQ is cooked and has a pH of 7
# adding CaCl2 does not add alkalinity, it might have a small effect on the pH due to CaOH and CaOH2
# we assume TA_Ca = 0.0; DIC_Ca = 0.0; and pH_Ca = 7.0
# (Bag values) Calcium Bag:
DIC_Ca = 0.0
TA_Ca =0.0
#************************************************************************************************************
# now I have to calculate the required TA of the CO3 bag, which is double the TA in the chamber
TA_CO3 = TA_chamber*2.0
DIC_CO3 = DIC_chamber*2.0
print ‘TA CO3=‘, TA_CO3*1e6
print ‘DIC CO3=‘, DIC_CO3*1e6
# from this I have to derive the required pH of the solution
diff_TA = TA_CO3-DIC_CO3 # this is the amount of alkalinity that has to be added via NaOH

195



Oceans 2021, 2

# so, basically, I have the amount of NaOH that has to be added (at least in theory)
print ‘diff TA =‘, diff_TA*1e6
# (Bag values) Carbonate Bag:
#H_CO3 = 10.0**(-pH_target)
#OH_CO3 = KWF/H_CO3
#CAlk_CO3 = DIC_CO3*K1F*(H_CO3 + 2.0*K2F)/(H_CO3*H_CO3 + K1F*H_CO3 + K1F*K2F)
#TA_CO3 = CAlk_CO3 + OH_CO3 - H_CO3
#0 = DIC_CO3*K1F*(H_CO3 + 2.0*K2F)/(H_CO3*H_CO3 + K1F*H_CO3 + K1F*K2F) + KWF/H_CO3 - H_CO3 -

TA_CO3
# the equation differs if you use NaHCO3 because the charge balance is slightly different:
def H_func_CO3bag(H):
val = (TA_CO3 - (DIC_CO3*K1F*(H + 2.0*K2F)/(H*H + K1F*H + K1F*K2F) + KWF/H - H))**2.0
#print val
return val
# take a good guess from the approximation
H_init = 10**(-pH_chamber)
H_opt = opt.fmin(H_func_CO3bag, H_init, xtol = 1e−12, ftol = 1e−12, maxiter=None, maxfun=None, full_output=0,

disp=1, retall=0, callback=None)
print ‘print target H for the NaHCO3 bag:’
print ‘H for NaHCO3=‘, H_opt
pH_CO3_opt=-np.log10(H_opt)
print ‘print target pH for the NaHCO3 bag:’
print ‘the resulting pH of the NaHCO3 solution is’, pH_CO3_opt
# test if this pH results the correct TA
CAlk_opt = DIC_CO3*K1F*(H_opt + 2.0*K2F)/(H_opt*H_opt + K1F*H_opt + K1F*K2F)
OH_opt = KWF/H_opt
TA_opt = CAlk_opt + OH_opt - H_opt
print ‘TA CO3’, TA_CO3*1e6, ‘minus TA opt’, TA_opt*1e6, ‘=‘, (TA_CO3-TA_opt)*1e6
#************************************************************************************************************
# now titrate the NaHCO3 bag to the target pH
# and the same for the other solution
# (Bag values)
pH_start = 7.968 #pH_NaHCO3_opt
pH_target= pH_CO3_opt
#amount of acid needed (first calculated without buffering capacity)
mol_NaOH=10.0**(-pH_start)−10.0**(-pH_target)
# I have to calculate the amount of protons that are consumed also by the buffering system of the carbonate chemistry,

and this on top of the pH change without the buffering capacity.
H_start=10.0**(-pH_start)
H_end=10.0**(-pH_target)
OH_start=KWF/H_start
OH_end=KWF/H_end
CO3_start=DIC_CO3*K1F*K2F/(K1F*H_start + H_start*H_start + K1F*K2F)
HCO3_start=DIC_CO3*K1F*H_start/(K1F*H_start + H_start*H_start + K1F*K2F)
H2CO3_start=DIC_CO3-HCO3_start-CO3_start
CO3_end=DIC_CO3*K1F*K2F/(K1F*H_end + H_end*H_end + K1F*K2F)
HCO3_end=DIC_CO3*K1F*H_end/(K1F*H_end + H_end*H_end + K1F*K2F)
H2CO3_end=DIC_CO3-HCO3_end-CO3_end
print ‘CO3 from:’, CO3_start*1e6, ‘to’, CO3_end*1e6, ‘\mu mol’
print ‘HCO3 from:’, HCO3_start*1e6, ‘to’, HCO3_end*1e6, ‘\mu mol’
print ‘H2CO3 from:’, H2CO3_start*1e6, ‘to’, H2CO3_end*1e6, ‘\mu mol’
H_diff=(2*H2CO3_start+HCO3_start+H_start-OH_start)-(2*H2CO3_end+HCO3_end+H_end-OH_end)
print ‘mol NaOH needed to adjust pH_NaHCO3 from’, pH_start, ‘to’, pH_target, ‘is:’, H_diff, ‘compared to:’,

mol_NaOH, ‘without considering the buffer capacity’
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print ‘at a molarity of ‘, mol_base, ‘this requires ‘, H_diff/mol_base*1e3*5.0, ‘ml of base for 5 L solution’
#************************************************************************************************************
# added for review:
# calculate Omega calcite for comparison
Omegacal=Ca_chamber*CO3_chamber/Kspcal
print ‘Omega calcite=‘, Omegacal
Omegaara=Ca_chamber*CO3_chamber/Ksp
print ‘Omega aragonite=‘, Omegaara
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Abstract: Benzophenones are UV-blockers found in most common sunscreens. The ability
of Scyphozoan planula larvae of Cassiopea xamachana and C. frondosa to swim and complete
metamorphosis in concentrations 0–228 μg/L benzophenone-3 (oxybenzone) was tested. Planulae of
both species swam in erratic patterns, 25–30% slower, and experienced significant death (p < 0.05) in
the highest concentrations of oxybenzone tested, whereas the larvae exhibited normal swimming
patterns and no death in ≤2.28 μg/L oxybenzone. In addition, metamorphosis decreased 10–30% over
3 days for both species maintained in 228 μg/L oxybenzone. These effects do not involve symbiotic
dinoflagellates, as planulae larvae of Cassiopea sp. are aposymbiotic. It is concluded that oxybenzone
can have a detrimental impact on these jellyfish.

Keywords: Cassiopea xamachana; C. frondosa; Scyphozoan; planulae; settlement; metamorphosis;
oxybenzone

1. Introduction

Benzophenones are organic compounds used in a variety of personal-care products for their
abilities to absorb UV-B wavelengths coming from the sun. Oxybenzone avobenzone, octisalate,
octocrylene, homosalate, and octinoxate are all used in conventional sunscreens and other topical,
personal-care products to prevent damage from the sun’s UV rays. Between 6000 and 14,000 tons
of sunscreen lotion, much of which contains between 1 and 10% benzophenone-3 (oxybenzone),
are estimated to be released onto coral reef areas each year [1]. Concern over oxybenzone arose when a
study reported that 1–2% was absorbed by the skin immediately after application [2]. Application to
the epidermis is not the only mode for absorption. A German study reported traces of oxybenzone in
breast milk of mammals e.g., [3]. Since oxybenzone is a photo-toxicant, its negative effects are activated
and exacerbated by light [4]. Soon after reacting with light oxybenzone goes through rapid oxidation
causing inactivation of antioxidants and a negative impact on the skin’s overall homeostasis [5].
Oxybenzone can induce photoactivated and non-photo-activated contact dermatitis, contact cheilitis,
uticaria, and anaphylactoid allergic reactions e.g., [6]. In addition, oxybenzone, and other sunscreen
chemicals, act to suppress the immune system [7].

Benzophenones put approximately 40% of coral reefs located along coastal areas, with at least
10% of reefs overall, at risk of exposure [1]. Oxybenzone has been found to cause environmental
concerns such as bleaching of symbiotic dinoflagellates from corals [8,9], failure of larvae to
settle [10], and increased mortality of corals [9–11] and fish [12,13]. Research has shown correlations
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between concentration of oxybenzone and deformation of symbiotic planulae from the coral
Stylophora pistillata [4,14]. Oxybenzone has been identified as a phototoxicant, genotoxicant, and a
skeletal endocrine disruptor in corals [4].

Hawaii State Legislature will ban the use of oxybenzone in sunscreens on 1 January 2021, due to
significant damage to corals (bleaching) and deformation in the larvae [15,16]. The emergence of
reef-safe sunscreens and beauty products are a step in the right direction to help reduce the amount
of harmful chemicals in the water. Sunscreens with oxybenzone are also banned in Aruba, Bonaire,
Key West, Palau, and in the US Virgin Islands.

The current experiments tested a variety of concentrations of oxybenzone on planulae larvae of the
jellyfish Cassiopea xamachana and C. frondosa. These “up-side down” jellyfish are found in warm coastal
areas of the world, including the mangrove and seagrass beds of South Florida, the Bahamas, and the
Caribbean. The hypothesis is that the aposymbiotic planulae larvae of the jellyfish C. xamachama and
C. frondosa (Figure 1) are negatively affected by exposure to oxybenzone.

 

immature 
jellyfish 

adult 
jellyfish 

planula larva 

bud 

polyp strobilation 

Figure 1. Life cycle for Cassiopea sp. The planula larva (ca. 100 μm long) settles and metamorphoses
into a polyp (ca. 0.1–0.3 cm in diameter), which can either reproduce asexually by producing a bud
(ca. 0.1 cm long) or by producing a jellyfish (strobilation, ca. 0.5 cm in diameter). The immature jellyfish
grows into an adult male or female jellyfish. Female jellyfish produce eggs that combine with the male
sperm, developing into planulae to start the cycle again.
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2. Materials and Methods

Planulae larvae of C. xamachana and C. frondosa were collected from multiple female medusa from
Florida Bay, Key Largo, Florida. The developing planulae were maintained in 100 μg/mL antibiotic
solution of neomycin and streptomycin in filtered (0.8 μm) seawater; they were removed after hatching
from the egg and placed in 35 ppt artificial seawater (ASW, Instant Ocean made in deionized (DI)
water) containing no antibiotics. The oxybenzone solutions were prepared using pure oxybenzone
(Benzophenone-3) powder solubilized in 5 μL of dimethyl sulfoxide (DMSO) solution and then diluted
in ASW water to form stock and experimental solutions. Each concentration of oxybenzone used in
experiments contained 5 μL/L DMSO. Oxybenzone has a very limited solubility in water, and even less
so in seawater (some oxybenzone will come out of DMSO and float on the meniscus or adhere to the
side walls of the container). Because of this, the concentration (molarity) in the dosing dishes was not
known. Therefore, this experiment did not follow a validated methodology, but it does not detract
from the observed dose-response toxicological behavior.

Swimming speed of planulae larvae was measured for 12 planulae in each concentration of
oxybenzone. Four replicates (of 10–20 planulae per replicate) were used in the mortality experiments,
and six replicates (of 10–20 planulae per replicate) were used in the settlement/metamorphosis
experiments for each concentration of oxybenzone (228.0, 22.8, 2.28, 0.228, 0.0228, or 0.0 μg/L). All the
experiments were conducted at 26–27 ◦C under indoor ambient light (20 μEsec−2h−1).

The larvae usually swam smoothly in a pattern following the circumference of the well. Using a
stopwatch, the amount of time each larva took to swim the circumference, or for the treated larvae
half the circumference, of the circular well was recorded. Larvae that did not swim around at least
part of the circumference were not recorded. The number of larvae were counted in each well at the
start of the mortality and settlement/metamorphosis experiments (0 h), and 1, 2, and 3 days after the
start. Typical numbers ranged from 10–20 larvae per well. The difference between the number of
larvae at the beginning of the experiment was compared the number at 1, 2, or 3 days to determine the
number that died. Planulae usually disappear shortly after dying, with the single layer of cells in the
epidermis and gastrodermis rapidly falling apart. The proportion of larvae swimming vs. those that
had completed metamorphosis was monitored 1, 2, and 3 days after placing them in 100 μg/mL of the
settlement inducer peptide Z-Gly-Pro-Gly-Gly-Pro-Ala-OH [16].

Proportions were arcsine square root transformed before statistical analysis. Data were tested for
normality (Shapiro–Wilk test) and equal variance. The one-way ANOVA was used in parameteric
tests with equal variance. When data did not meet the assumption of normality and homogeneity,
a Kruskal-Wallis one-way ANOVA was used. A Tukey post-hoc test (95% confidence interval) followed.
Differences were considered significant at p ≤ 0.05.

3. Results

Planulae larvae of C. xamachana and C. frondosa swam significantly (p ≤ 0.05, ANOVA) slower in
higher concentrations of oxybenzone (Figure 2). The swim speeds for each species were not significantly
different from each other; however, they were about a third slower when the concentration of
oxybenzone was highest. The larvae of both species had very erratic swimming patterns (e.g., swimming
in circles around a point, swimming slower, turning repeatedly) and experienced significant death
(p ≤ 0.05, ANOVA) in 228 μg/L of oxybenzone, whereas they exhibited normal swimming patterns at
<2.28 μg/L oxybenzone (Figure 3). The larvae were significantly slower settling and metamorphosing
(p ≤ 0.05, ANOVA) into polyps = scyphistomae at the highest concentration of oxybenzone tested
(228 μg/L, Figure 4).
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Figure 2. The relationship between average (± s.d.) swim speed (cm/sec) of larvae of Cassiopea
xamachana and C. frondosa and the concentration of oxybenzone. * = significantly different (ANOVA,
p ≤ 0.05) from 0, 0.00228, 0.0228, 0.228 μg/L oxybenzone.

Figure 3. The average number of larvae remaining in the wells after each time period per concentration
of oxybenzone. Dark bars: Cassiopea xamachana, Light bars: Cassiopea frondosa. * = significantly different
(ANOVA, p ≤ 0.05) from controls.
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4. Discussion

Oxybenzone has been found to damage and deform planulae larvae, which could explain why the
motile skills of planulae larvae of C. xamachana and C. frondosa were partially inhibited (Figure 2) [4,14].
Larvae in higher concentrations of oxybenzone (228, 22.8 μg/L) were swimming in irregular patterns,
some spun in circles in the same spot, and many of them died (Figure 3). The disorientation of
the surviving larvae would most likely inhibit their ability to settle and metamorphose (Figure 4).
Although the response of the two species is very similar, planulae of C. frondosa appear to be more
sensitive to high concentrations of oxybenzone than C. xamachana (Figures 3 and 4). Since there was no
death in the control group of larvae, nor those maintained in 0.0228–2.28 μg/L oxybenzone, it appears
that the low amount of DMSO used in the experiments did not detrimentally affect the planulae.

Planulae and newly metamorphosed scyphistomae (= polyps) are aposymbiotic in Cassiopea sp.,
unlike the normally symbiotic planulae of the coral Stylophora pistillata [4,14]. Many of the larval
responses seen by Downs [4,14] were thought to be partially due to the effects on the symbiotic algae.
Cassiopea sp. can acquire Symbiodiniaceae, soon after the new polyps develop a mouth. Therefore,
Symbiodiniaceae were not involved in the responses of planulae larvae of Cassiopea sp. to oxybenzone.
The symbionts enable the polyps of Cassiopea sp. to strobilate, turning into a medusa (Figure 1),
although the mechanism of the symbiotic interaction is not known [17].

Sunscreens washed or flushed into the ocean during tourist season are probably having a negative
effect on corals and jellyfish [18]. Downs et al. [14] found that the upper concentration varied in
Hawaii (0.8–19.2 μg/L) and the US Virgin Islands (75–1400 μg/L), up to 6 times higher than the top
concentration of oxybenzone used in the current experiments. The lethal concentration of oxybenzone
that kills half of planulae of S. pistillata (LC50) in the light for an 8- and 24-h exposure was 3100 μg/L
and 139 μg/L, respectively [14].

Planulae normally use their swimming ability to investigate substrates to settle on.
Cassiopea xamachana and C. frondosa normally settle on specific substrates in their environment [19].
Oxybenzone can be attributed to the decreased motility and settlement/metamorphosis of C. xamachana
and C. frondosa larvae, and even death at the higher concentrations used, posing a threat to the survival
of these species.
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Abstract: El Niño Southern Oscillation global coral bleaching events are increasing in frequency, yet
the severity of mass coral bleaching is not geographically uniform. Based in Timor-Leste, the present
project had two major objectives: (1) assess the baseline of reefs and coral health at four sites and (2)
explore water quality and climate-related changes in ocean temperatures on these understudied reef
systems. The impacts of climate change were surveyed on coral reefs before and after the 2016–2017
global underwater heatwave, (principally by following coral mortality). Temperature loggers were
also deployed between surveys, which were compared to Coral Reef Watch (CRW) experimental
virtual station sea surface temperature (SST). CRW is an important and widely used tool; however, we
found that the remotely sensed SST was significantly warmer (>1 ◦C) than in situ temperature during
the austral summer accruing 5.79-degree heating weeks. In situ temperature showed no accumulation.
There were significant differences in coral cover, coral diversity, and nutrient concentrations between
sites and depths, as well as a low prevalence of disease recorded in both years. Change in coral
cover between surveys was attributed to reef heterogeneity from natural sources and localized
anthropogenic impacts. Timor-Leste has both pristine and impacted reefs where coral cover and
community composition varied significantly by site. Degradation was indicative of impacts from
fishing and gleaning. The comparison of in situ temperature and remotely sensed SST indicated that
bleaching stress in Timor-Leste is potentially mitigated by seasonal coastal upwelling during the
Northwest monsoon season. As a climate refugium, the immediate conservation priority lies in the
mitigation of localized anthropogenic impacts on coral reefs through increasing the management of
expanding human-related sedimentation and fishing.

Keywords: coral reefs; Coral Triangle; ENSO; coral bleaching; temperature; stable isotope; coral
disease; coral health; nutrients; Indonesian ThroughFlow

1. Introduction

Timor-Leste is a developing country with limited infrastructure following decades
of war. It is one of six member states of the Coral Triangle (CT), the global center of
marine biodiversity (numbers of species), housing 29% of the world’s coral reefs [1,2].
Much of this diversity, however, is under threat due to a range of growing local and global
stresses [1,3–5]. Globally, climate change-induced coral bleaching via ocean warming and
coral disease are among the main threats facing coral reefs [3,6]. Mass coral bleaching
events driven by anomalous increases in sea surface temperature (SST) maintained over
time, or marine heatwaves, have been occurring with increasing frequency [7]. The El Niño
Southern Oscillation (ENSO) associated marine heatwave in 2016–2017 was the longest and
most intense in history with global, but patchy, impacts on coral reefs [8,9]. Comparatively
few reports of the bleaching event exist in the CT, with one report from Sulawesi, Indonesia
attributing coral mortality in shallow reef flat zones to ENSO-related sea level fall [10]. The
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CT arguably has the most to lose in terms of loss of biodiversity and resources associated
with reefs that support the 360 million people who live in the region [11,12].

Coral reefs within the CT are highly threatened by local impacts. In Timor-Leste, 92%
of reefs are at high or very high risk due to fishing pressure, watershed-based pollution,
coastal development, and pollution from marine activities (shipping, oil, and gas extrac-
tion) [11]. While dynamite fishing has decreased since the Indonesian occupation [13],
subsistence fishing is important to livelihoods and food security. There are an estimated
5000 fishers on the narrow, productive shelf that supports coral reefs [14,15]. Additionally,
gleaning, or harvesting invertebrates from intertidal flats for consumption, known locally
as meti, is commonly practiced by women and children and has its own significant im-
pact [16–18]. Agricultural practices consist of small-scale, subsistence farming without the
use of non-organic fertilizers and pesticides [19]; nevertheless, watershed-based pollution
is widespread due to an estimated 24% decrease in forest cover from 1972 to 1999 caused
by slash and burn agriculture, logging, and consumption for fuel [20–22]. With planned de-
velopment in these sectors [11,20–22], further understanding of natural and anthropogenic
pressures affecting reefs is crucial in order to properly manage coral reefs for nature and
people alike.

1.1. Disease in the Context of Coral Reef Health

Coral disease has been a major contributor to the decline in corals in the Caribbean [23],
as well as reefs in the Indo-Pacific [3,24–26]. By contrast, there have been few studies of
coral disease in the CT (Table S1). In this study, diseases were defined as syndromes
caused by pathogens. It is important to document lesions, or morphologic abnormalities,
predation, physical breakages (storms, anchors), and aggressive interactions that may result
in tears or breaks in the tissue, partial mortality, stress to the coral host, and abiotic diseases
which we collectively refer to as compromised health. Abiotic diseases, such as coral
bleaching, are not caused by microbial agents [27]. These are some of the many indicators
of coral reef condition (loosely defined as coral health). Disease can be endemic and highly
visible [23], or present in low frequency in any given population [26]. Tracking disease
and other signs of compromised health through time can be paired with other datasets
(such as herbivore biomass, hurricane incidence, environmental parameters, etc.) and key
physiological parameters such as growth rates, fecundity, and community composition of
reefs [28]. Many coral diseases have been linked to increasing ocean temperatures, nutrient
pollution, sedimentation, and fishing [29–32]. At most sites in Timor-Leste, these types of
measurements are absent, highlighting the importance of the present study as a crucial
baseline on the conditions of important marine resources.

1.2. Water Quality and Coral Reefs along the North Coast of Timor-Leste

Pollution arising from disturbed coastal regions and watersheds poses a serious threat
to coral reefs globally. This type of pollution includes a wide range of compounds such as
agrochemicals (pesticides), inorganic nutrients (nitrate, ammonia, and phosphate), soils
and sediments, and fossil fuel residues that flow from disturbed landscapes. Many of these
compounds negatively affect coral physiology by reducing calcification rates, fecundity,
fertilization success, and larval development [33]. This can degrade reef communities
reducing coral cover, community composition, diversity, and structural complexity [34,35].
High levels of marine pollution can increase the prevalence and severity of disease and
susceptibility to bleaching [36–40]. Dissolved inorganic nitrogen (DIN = ammonium +
nitrate + nitrite) measurements on reefs are generally <1.5 μM (individual species am-
monium, nitrate, nitrite < 1 μM) with even lower phosphate concentrations (<0.3 μM;
Table S2) [37,41–47]. A greater prevalence of disease has been associated with elevated
concentrations of DIN from anthropogenic sources (fertilizer, sewage pollution, etc.) and
phosphate ranging from 3.6 μM to 25.6 μM and 0.3 μM to 0.4 μM, respectively [41,42,45–47].

The isotopic signature of nutrients such as nitrogen can often serve as a tracer for
different sources of coastal pollution, with different forms of input having different impacts
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(sewage can increase pathogen concentrations) and solutions [32,48–57]. Stable isotope
analyses of nitrogen stored in macroalgae can provide a nutrient signal integrated over
time versus water sampling, which is highly variable over space and time [58]. Generally,
δ15N signatures in algae associated with urban wastewater are >10‰ [59–62]. Natural and
synthetic fertilizers display a large range from −4‰ to +4‰ of δ15N values while nitrogen
fixation typically has a negative δ15N signature between −2 and 0‰ [63]. Upwelling
can have variable δ15N values ranging from 5 to12‰ [50,64–70]. Both fertilizer use and
waste infrastructure are expected to be developed as described in the national strategic
development plan [19].

1.3. Global Impacts—Ocean Warming, Mass Coral Bleaching, and Mortality

The US National Oceanic and Atmospheric Administration (NOAA) Coral Reef Watch
virtual station in Timor-Leste (CRWTL) reported anomalous warming between the two
survey periods of November 2015 and July 2017. Between January and May 2016, and again
in January and February 2017, the water temperature of the region attained degree heating
weeks (DHWs) between 4 and 8 ◦C-weeks [71]. This DHW range has been associated
with 30–80% bleaching [72,73], suggesting that corals may have bleached twice within
the 20 months between sampling intervals. Surviving corals, however, would have had
four to five months to recover before resurveying in July 2017. Typically, mortality is not
expected below DHW of 8 ◦C-weeks [74], although this is variable between species [75,76].
Corals that have experienced a recent thermal event that is sufficiently warm to cause
temporary bleaching in some corals, may nonetheless be vulnerable to disease or other
signs of compromised health [3,77–79]. Additionally, corals may endure sublethal effects
for months after the event as they attempt to rebuild energy reserves [4,80].

1.4. Aims

The aims of the present study were two-fold. The first aim was to investigate the state
and health of coral reefs along the north coast of Timor-Leste, as measured by the presence
of coral disease and other signs of compromised health. The second aim was to explore
the global and local impacts on Timorese reefs through water quality measurements,
temperature data, and surveys before and after the 2016–2017 global bleaching event.
This was achieved through repeated coral health surveys, seawater nutrient and nitrogen
stable isotope analyses of macroalgae to assess nutrients, and in situ and remotely sensed
temperature data.

2. Materials and Methods

2.1. Study Site

Timor-Leste is a small island country located inside the southern edge of the CT
and between Australia and Indonesia (Figure 1). The country gained its independence
in 2002 following nearly 25 years of Indonesian occupation. It lies within the Indonesian
ThroughFlow (ITF), a major oceanographic feature connecting the Pacific and Indian
Oceans. The ITF transports an estimated 4.9 Sverdrups (106 m3/s) of water through the
Ombai Strait along the north coast (Figure 1) [81–85].

This study was undertaken along the coast of Dili, Timor-Leste to complement a
growing body of coral reef science undertaken in the area. Previous indications of reef
health in this area have typically been anecdotes from surveys with other objectives. Dili,
the capital (8◦33′ S and 125◦34′ E), houses a quarter of the country’s population, with
252,884 people recorded in the 2015 Census [86]. The Northwest monsoon season extends
from December to May, when there is more rain and greater runoff to the coast [87]. The
seasonal Comoro River runs through Dili, with flows ranging from less than 0.5 m3/s from
July to November, to 12.3 m3/s in March [20]. Timorese waters are affected by semi-diurnal
tides with a range of 1–2 m along the north coast [88]. The present study was conducted in
two, three-week field trips that occurred in the dry season in 15–27 November 2015 and
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15–29 June 2017. The dry, Northwest monsoon season offers safer surveying conditions but
would also limit terrestrial run-off inputs such as nutrients.

 

Figure 1. Timor-Leste lies between Indonesia and Australia within the Indonesian ThroughFlow
(ITF). Arrows indicate inflows and outflows of the ITF adapted from [81,82]. The yellow dashed box
indicates the Lesser Sunda Islands (adapted from [85]). Enlarged map on the right shows the location
of the survey sites in Timor-Leste near the capital of Dili. Survey sites are Rural-N on Ataúro Island
in the Ombai Strait, Rural-E 40 km east of Dili, and Urban-W and Urban-E flanking Dili. The highly
seasonal Comoro River can be seen just east of Urban-W (in Dili) and the Laclo River east of Rural-E.
The four sites were sampled on two occasions in November 2015 and June 2017. Jaco Island lies at
the easternmost point of the country.

Surveys were conducted at four sites; two sites flanking Dili were representative
of reefs under urban influences (“Urban-W” with 4993.0 people/km2; “Urban-E” with
449.8 people/km2) and two sites were representative of reefs under rural influences (“Rural-
N” 30.7 people/km2, and “Rural-E” with 34.9 people/km2 [86]; Figure 1). Sites were chosen
for logistics and to complement NOAA data collected between 2012 and 2016 [89].

2.2. Coral Community Composition and Coral Health Surveys

To assess benthic cover and coral health, we deployed 15 m line intercept transects
(LIT) [90] and 15 m × 2 m belt transects, respectively [28]. At each of the four sites, three
transects were laid at both 5 m (reef flat) and 10 m (reef slope) depths, for a total of
24 transects across all sites. The first of three transects at each site and depth was chosen
haphazardly, with the subsequent transects at least 5 m away from the start/end of other
transects on the appropriate depth contour. For the LIT surveys, all benthos under the 15 m
tape was categorized into a major benthic category (hard coral, soft coral, substrate/sand,
macroalgae, turf algae, cyanobacteria, and crustose coralline algae [CCA]). LIT transects
were conducted by two volunteers per survey trip who were at least ReefCheck certified.
On the coral health belt transects performed by the first author, every coral colony within
the 15 × 2 m transect area was identified to genus and assessed visually for coral disease
and signs of potentially compromised coral health, such as overgrowth by macroalgae, turf
and cyanobacteria overgrowth, encrusting invertebrates (sponges, tunicates, flatworm infes-
tation), burrowing invertebrates (gastropods, bivalves, crustaceans, etc.), signs of predation
(fish and Drupella spp. snails), signs of bleaching (partial or total loss of algal symbionts
appearing white), signs of coral response (pigmentation, mucus), and physical damage
(sedimentation, breakage) as per protocols developed by the Global Environment Facility
and World Bank Coral Disease Working Group (Figure 2 and Figure S1; Table S3) [28]. High
prevalence or increasing numbers of burrowing invertebrates or overgrowth of corals by
turf algae and invertebrates could be indicative of reef degradation due to anthropogenic
disturbances [91]. No Acanthaster spp. sea stars or feeding scars were observed during sur-
veys. Any uncertain diagnoses were photographed for later consultation. The prevalence
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of disease and compromised health was calculated as the number of corals affected by the
disease/compromised health category divided by the total number of coral colonies in the
transect [28]. The GPS coordinates at the start of each transect were recorded and used for
the second survey in July 2017 (Table S4).

 

Figure 2. Examples of disease and compromised health recorded on surveys undertaken in Timor-
Leste between 15–27 November 2015. Photos outlined in red represent close-ups of adjacent photos
(b1,c1). (a) WS–White Syndrome band of distinct tissue loss on tabulate acroporids with white
skeleton abutting live tissue with exposed skeleton gradually colonized by turf algae, (a1) exposed
coral skeleton caused by coral tissue loss from WS, (b) bleached tissue displaying white, living tissue
lacking symbionts, (c) flatworm infestation on a Fungia coral, (d) turf algae overgrowth on a massive
Porites coral, and (e) cyanobacterial (purple) overgrowth on a reef affecting more than one genus (i.e.,
Fungia and branching montiporids). See Figure S1 for other compromised states and Table S3 for
more information.
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2.3. Measurement of Nutrient Concentrations and Stable Isotope Ratios

Seawater samples were collected for measuring the concentration of inorganic nutri-
ents as an indicator of nutrient pollution. Three replicate 100 mL seawater samples were
collected on each transect at a depth of 0.5 m above the benthos, after benthic surveys were
completed (Table S4), kept on ice until filtered through a 0.22 μm pore membrane filter, and
stored frozen. Seawater samples were analyzed within four months for ammonium, nitrite,
nitrate, and phosphate using flow injection analysis at the Advanced Water Management
Center (The University of Queensland). Nitrite had mostly zero values and was combined
with nitrate for analyses.

Macroalgal samples were collected for stable isotope analysis to explore the origin of
inorganic nitrogen. Three replicates of Halimeda spp. and of Chlorodesmis spp. macroalgae
(approximately 5 g dry weight) were collected when available on each transect, rinsed, and
air-dried for transport. In the laboratory, the samples were re-dried at 60 ◦C for a minimum
of 24 h before homogenization using a mortar and pestle and subsequently analyzed at the
Cornell University Stable Isotope Laboratory (Finnigan MAT Delta Plus isotope ratio mass
spectrometer) for δ15N.

2.4. In Situ and Satellite Temperature Data

Calibrated HOBO pendant temperature loggers (Onset Computer Corporation, Bourne,
MA, USA) were deployed at each site and depth in November 2015. Temperature was
recorded every 30 min. All were collected in June 2017 except those from Rural-E which
could not be retrieved. Remotely sensed satellite SST data from the NOAA’s CRWTL were
downloaded from August 2015 through August 2017. This product uses 5 km2 resolution
to predict bleaching stress across an entire jurisdiction such as Timor-Leste instead of
producing values at every pixel [71].

2.5. Statistical Analyses

All analyses were conducted in R version 4.0.4 [92] and PRIMER7 [93,94]. Three-way
repeated measures permutational multivariate analysis of variance (PERMANOVA) with
9999 permutations were conducted to test for significant effects between sites (Rural-N,
Rural-E, Urban-W, Urban-E), depths (5 m, 10 m), and years (2015, 2017) on a Bray–Curtis
similarity matrix of benthic cover categories, prevalence of disease and compromised health,
and a Bray–Curtis similarity matrix of the number of colonies per coral genera (the count
of coral genera per belt transect), all square root transformed [93,94]. All PERMANOVAs
were also tested for homogeneity of dispersion akin to the homogeneity of variance in
univariate tests [93]. Principal Coordinates Analysis (PCoA) was run on the same similarity
matrix of coral genera to visualize coral community structure. Repeated measures analysis
of variance (ANOVA; Anova in the car, emmeans, and nlme R packages) [95–97] was used
to test the transformed hard coral abundance, the categories of disease and compromised
health (only the bleached category was transformed), and the transformed Shannon di-
versity index of coral genera for significant effects between sites, depths, and years. All
transformations were square root. A repeated measures ANOVA was also conducted
on the log-transformed number of acroporids per transect between site, depth, and year.
Normality was visually inspected (hist, qqplot, qqnorm, and leveneTest in the car package).

Nutrient data were only collected in 2015, with which a two-way ANOVA with factors
site, and depth was performed on the seawater nutrient data, including DIN (transforma-
tions: log—NH4

+ and DIN; square root—NO3
− + NO2

−). A two-way ANOVA was used to
test for significant differences in δ15N for each of the two genera of algae, Halimeda spp. and
Chlorodesmis spp., with the factors site and depth. Only three samples of Chlorodesmis spp.
were collected on a single transect at Rural-E and these were removed from the analysis.
Variables were visually inspected for normality and tested for homogeneity of variance
using Levene’s test (leveneTest). Percent nitrogen was log-transformed for Halimeda spp.
Post hoc tests were conducted (multcomp and emmeans R packages) for Halimeda spp. and
Chlorodesmis spp.
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The monthly mean temperature was calculated from the 24 h daily maximum temper-
ature obtained from both datasets (in situ temperature logger data and remotely sensed
CRWTL data). A one-way repeated measures ANOVA was used to test temperature log-
ger data (pooled by site) to test for differences in the monthly means between sites. A
two-way repeated ANOVA assessed seasonal (summer January–March, fall April–June,
winter July–September, spring October–December) and methodological (in situ loggers,
remotely sensed SST from CRWTL) differences between the monthly temperature means.
Both analyses employed random intercept models with residual autocorrelation structures
to account for temporal autocorrelation of individual temperature loggers and CRWTL
measurements (nlme R package). Post hoc tests were conducted using the emmeans R
package. To assess levels of thermal stress, remotely sensed DHWs were retrieved from
CRWTL online [71].

3. Results

3.1. Coral Cover and Community Composition at Four Sites

A total of 9521 corals from 51 genera were counted within the 1440 m2 of the 15 m
× 2 m belt transects in 2015 and 2017. LIT surveys indicated that benthic composition
was significantly different between a three-way interaction, where variables affect benthic
composition in conjunction with each other, between year, site, and depth [three-way
repeated measures PERMANOVA, pseudo-F(3,47) = 2.6888, p(perm) = 0.0109]. All sites,
except Urban-W, were significantly different between survey years at 10 m while only
Urban-W and Rural-N changed at 5 m [p(perm) < 0.05]. Dispersion, or variability, was also
significant for year [F(1,46) = 5.9165, p(perm) = 0.0205], and site [F(1,44) = 6.7038, p(perm)
= 0.0012]. Urban-W was significantly more variable in benthic composition than all sites
[p(perm) < 0.05]. Live hard coral cover (henceforth coral cover) was significantly different
with a three-way interaction between year, site, and depth [three-way repeated measures
ANOVA χ2(3) = 18.6751, p = 0.0003]. In both years, Urban-W at 5 m had the lowest coral
cover (mean ± SE; 4.8 ± 1.8% in 2015 and 4.5 ± 1.5% in 2017) and Rural-N 5 m (58.2 ± 1.7%)
and Rural-N 10 m (56.9 ± 3.3%) had the highest coral cover, respectively, in 2015 and 2017
(Figure 3). Overall, coral cover was ~25% higher at the rural sites (37.3 ± 5.3%) than at the
urban sites (12.9 ± 3.8%).

Figure 3. Benthic composition cover from 15 m line intercept transects by site (Rural-N, Rural-E,
Urban-W, Urban-E) and depth (5 and 10 m) for November 2015 and June 2017 surveys in Timor-
Leste. Major categories include: Hard Coral; CCA—crustose coralline algae; Invertebrates—mobile
invertebrates; Macroalgae; Soft Coral; Substrate/Sand; and Turf algae.
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Coral community composition, as measured by the abundance of individual coral gen-
era from belt transects, also differed significantly by a site and depth interaction [three-way
repeated measures PERMANOVA pseudo-F(3,47) = 3.2546, p(perm) = 0.0001]. Hard coral
diversity, calculated using the Shannon diversity index of hard coral genera counted on
belt transects, showed significant site and depth differences [three-way repeated-measures
ANOVA χ2(3) = 16.1668, p = 0.0010]. Urban-W had the lowest coral diversity of all sites
at 10 m but had comparable diversity at 5 m depth (Shannon index 1.7 ± 0.2; 18 ± 2
genera) (Figure S2). The maximum genus richness of 33 ± 2 was present at Rural-N with
consistently high (>40%) coral cover in both survey years. This site also had significantly
more tabulate [three-way repeated measures ANOVA χ2(3) = 31.5895, p < 0.0001] at both
depths than all other sites with 21.1 ± 0.7 colonies per transect (p < 0.05). Remaining sites
averaged less than five acroporid colonies per transect. There was a significant three-way
interaction between site, depth, and year for branching acroporids [three-way repeated
measures ANOVA χ2(1) = 7.8254, p = 0.0498]. Branching Acroporids decreased at all sites
and depths between survey years except for Rural-N and Urban-W at 10 m (Figure S3).
Although 51 genera were found across the belt transects over all four sites, only a few
genera dominated the reef, namely Porites (2015 = 17.4%, 2017 = 13.0%), Fungia (2015 =
13.7%, 2017 = 19.0%), and Montipora (2015 = 12.9%, 2017 = 13.4%).

Community composition measured from belt transects was also significantly different
with a year and site interaction [pseudo-F(3,47) = 2.1713, p(perm) = 0.0002]. Urban-E was the
only site with comparable coral community between years, and all sites were significantly
different within years [p(perm) < 0.05]. In Figure 4, sites were generally distributed along
axis two of the PCoA with Rural-N most positively associated with tabulate acroporids,
Galaxea, Goniopora, Montipora, and Stylophora, while differences between depth were aligned
along axis one with more Pocillopora, Platygyra, and massive Porites corals on the 5 m
transects. Dispersion, or variability in community composition was also significantly
different by site [F(3,44) = 15.7770, p(perm) = 0.0001] and depth [F(1,46) = 5.6388, p(perm) =
0.0433]. Specifically, the dispersion (spread of points) was significantly greater at 10 m and
highest at Urban-W and lowest at Rural-N (Figure 4).

Figure 4. Principal Coordinates Analysis biplot of square root transformed Bray–Curtis similarity ma-
trix of the hard coral genera counted on belt transects. Empty and solid markers indicating 5 and 10 m
depths, respectively. Color indicates survey year: blue-2015 and green-2017. Vectors represent top
nine coral genera/morphology correlated to axes as calculated by Person’s correlation. Abbreviations
are coral genera/morphology as follows: ACRtab—Acropora tabulate; FUN—Fungiids; GAL—Galaxea;
MONTI—Montipora; GONIO—Goniopora; PLA—Platygyra; POC—Pocillopora; PORmass—Porites mas-
sive; and STY—Stylophora.
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3.2. Prevalence of Coral Disease and Indicators of Compromised Health

Overall, most hard corals at the sites surveyed appeared healthy as recorded on the
belt transects. Those categorized as “healthy” made up 65.7 ± 2.9% of corals surveyed
averaged over both years, with a low (<1%) prevalence of diseases and a 33.7 ± 1.7%
prevalence of other compromised states. In 2015, there was 0.9 ± 0.2% prevalence of WS at
Rural-N on Acropora spp., which made up 44.9% of all diseases recorded (Figure 5). In the
same year, Rural-N also had the highest prevalence of Growth Anomalies (GAs; 0.6 ± 0.2%).
There was one case of unconfirmed Trematodiasis, which requires microscopic confirmation
of the larval trematode. In 2017, disease prevalence was lower with the highest prevalence
of WS (0.5 ± 0.1%) at Rural-N again but Urban-W recording the most GAs (0.6 ± 0.3%). All
cases of WS were documented on acroporids in 2017, while GAs were less host-specific and
found on nine genera across the two years. In 2015, the number of branching acroporids
was comparable between depths at each site while in 2017 the overall number of this coral
morphology decreased, more branching acroporids were found at 10 m (Figure S3).

Figure 5. Prevalence of disease and states of compromised health on corals recorded in 15 × 2 m belt
transect surveys at four sites (Rural-N, Rural-E, Urban-W, Urban-E), pooled by depth in Timor-Leste
from November 2015 and June 2017. Abbreviations as follows: All Algae—combined macroalgae, turf,
and cyanobacteria overgrowth; BL—Bleaching; CCA—Crustose coralline algae overgrowth; Other:
combined pigmentation, predation, invertebrate infestation/overgrowth, burrowing invertebrates;
TL—Unexplained tissue loss; WS—White Syndrome.

Prevalence of disease and compromised health categories from belt transects varied sig-
nificantly by two interactions: year and site [three-way repeated measures PERMANOVA,
pseudo-F(1,47) = 3.8234; p = 0.0005] and site and depth [pseudo-F(3,47) = 2.3313; p = 0.0150].
Rural-N had the lowest prevalence of disease and compromised health among all sites
in both 2015 (22.4 ± 0.8%) and 2017 (23.2 ± 2.1%). However, Rural-N was the only site
where the prevalence of compromised health and disease increased between survey years.
Despite this, Rural-N was also characterized by the highest percentage of healthy corals
(77.2 ± 1.1%) [three-way ANOVA χ2(3) = 30.7576, p < 0.0001}, significantly higher than all
other sites (p < 0.05). This site also had the lowest prevalence of algal overgrowth on corals
in 2015 (5.3 ± 1.2%) and the lowest amount of coral bleaching in both years (6.0 ± 0.9% in
2015, 0.8 ± 0.2% in 2017; Figure 5).
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3.3. Water Quality
Nutrients and Stable Isotopes

Seawater nutrient levels and N stable isotopes of macroalgae were assessed simultane-
ously to obtain an indication of land-based pollution. Nutrients were not elevated (>10 μM
DIN) at the urban sites compared to the rural sites, though there were significant site and
depth interactions [two-way MANOVA F(3,63) = 3.208, Pillai = 0.398, p = 0.0012]. Combined
nitrate and nitrite, and phosphate were responsible for these interactions [two-way ANOVA
NO3

− + NO2
−: F(3,63) = 10.8991, p < 0.0001; PO4

3−: F(3,63) = 4.5597, p = 0.0059]. Rural-N
10 m had significantly higher combined nitrate and nitrite (NO3

− + NO2
−: 1.05 ± 0.07 μM)

and phosphate (PO4
3− 0.15 ± 0.01 μM; Table S6) than all other sites at 10 m, but similar

levels of both nutrients at 5 m compared to remaining sites (Figure 6). Variation in DIN was
marginally significant with a site and depth interaction [two-way ANOVA F(3,63) = 2.7769,
p = 0.0484], but there were no significant differences in the pairwise test (p < 0.05; Figure 6).

Figure 6. Seawater nutrient concentrations (top to bottom: dissolved inorganic nitrogen [DIN], NH4
+,

NO3
− + NO2

−, PO4
3−) sampled in triplicate on each transect at the four sites (Urban-W, Urban-E,

Rural-N, Rural-E), two depths (5 m and 10 m), and three transects per depth in Timor-Leste in
November 2015. Bold line is the median, box ends are the first and third quartile, lines are 95%
confidence interval of the median, and points are Tukey’s outliers. Gray points indicate samples.
Note differences in scales.

Stable isotope values were consistent across sites, with no elevated values at the urban
sites compared to the rural sites. Delta 15N stable isotopes had a significant site difference
for both algae species. Urban-E had significantly lower δ15N in both algae species (Table 1).
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Table 1. Delta 15N stable isotope ANOVA results of algae sampled at the four sites (Urban-W, Urban-
E, Rural-N, Rural-E), two depths (5 m and 10 m), and three transects per depth in Timor-Leste in 2015.
Starred values are significant results with mean, standard error, and post hoc groupings (a, b, or ab)
presented per site with “-” indicating no samples collected.

Algae Effect df F-Value p-Value Rural-E Rural-N Urban-E Urban-W

Halimeda spp. Site 3 3.8199 0.0121 * 4.26‰ 4.31‰ 4.03‰ 4.26‰
Depth 1 0.5442 0.4624 ±0.06 ±0.07 ±0.06 ±0.07

Site x Depth 3 1.3801 0.2531 ab b a b

Chlorodesmis spp. Site 1 10.0028 0.0064 * 4.57‰ - 4.11‰ 4.47‰
Depth 1 0.1747 0.6819 ±0.15 ±0.08 ±0.10

Site x Depth 1 2.4127 0.1412 ab a b

3.4. Temperature and the Prevalence of Bleaching

The average temperature difference between the 5 and 10 m temperature loggers
across the three sites was 0.3 ◦C (±0.1 ◦C) and thus the loggers were pooled by site for
further testing of site differences. The monthly means of the temperature recorded by the
in situ loggers were not significantly different by site [one-way ANOVA: χ2(2) = 0.1277,
p = 0.9382] (Figure 7).

Figure 7. Mean temperature by month ± 2 standard error of the daily maximum temperature for
remotely sensed sea surface temperature (5 km2 pixels) from Coral Reef Watch Timor-Leste (CRWTL)
and in situ temperature loggers pooled by depth (n = 6). Loggers sampled every 30 min between
November 2015 and July 2017, the period between benthic surveys. The gray shading indicates the
annual monsoon season from November to May. The dashed blue line is the maximum monthly
mean (MMM, 29.5 ◦C) from the CRWTL data and the solid blue line is MMM + 1 ◦C (30.5 ◦C), the
bleaching threshold for accumulation of degree heating weeks.

Comparison of the monthly means of all in situ temperature loggers with the monthly
means of the CRWTL SSTs showed they were significantly different by a season and method
interaction [two-way ANOVA: χ2(3) = 8.2054, p = 0.0420]. Pairwise tests for this interaction
revealed that the CRWTL satellite-derived SST values were not significantly higher than
the in situ logger temperatures within the same season (Summer CRWTL:Summer in situ,
p = 0.4991; Fall CRWTL:Fall in situ, p = 0.5562; Spring CRWTL:Spring in situ, p = 0.2291;
Winter CRWTL:Winter in situ, p = 0.0712). However, the elevated CRTWL temperatures
during the austral summer (Jan–Mar, CRWTL = 30.7 ± 0.2 ◦C and in situ = 29.1 ± 0.1 ◦C)
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and austral spring (Oct–Dec, CRWTL = 30.5 ◦C and in situ = 29.7 ◦C) were ecologically
significant, 1.6 ◦C and 0.8 ◦C warmer, respectively, than in situ temperatures for the
same seasons. During the summer, the 1.6 ◦C difference between methods meant that
CRWTL SSTs were above the MMM + 1 ◦C bleaching threshold while in situ temperatures
were below the MMM. Thus, according the CRWTL, DHWs were accumulated over this
period while in situ temperature remained below the bleaching threshold with no DHW
accumulation (Figure 8).

Figure 8. Plot of the significant season × method interaction between the Coral Reef Watch Timor-
Leste virtual station (CRWTL) remotely sensed sea surface temperature and in situ temperature logger
data collected between November 2015 and July 2017. Divergence in temperature data between the
two methods was greatest during the austral summer. The dashed blue line indicates the maximum
monthly mean (MMM, 29.5 ◦C) and the solid blue line is MMM + 1 ◦C (30.5 ◦C), the bleaching
threshold for the accumulation of degree heating weeks. CRWTL was above the MMM + 1 ◦C in both
the austral summer and spring seasons while the in situ temperature remained below this threshold.
Error bars represent 95% confidence intervals.

During the 639 days between surveys, major heat stress events occurred. CRWTL
indicated there were 190 days (30.2%) of bleaching warning (0 < DHW < 4) and 161 days
(25.2%) of bleaching alert 1 (4 <= DHW < 8). The accumulation of DHWs was limited
to November 2015 through July 2016 (224 days) and November 2016 through March
2017 (119 days). This corresponded to the months where the CRWTL monthly averaged
temperatures were greater than the maximum monthly mean (MMM; Figure 7), the warmest
month of the twelve-monthly mean SST climatology values from the CRWTL data. The
accumulation of DHWs during 2015–2016 was almost 8 months, nearly twice as long as
the DHW accumulation during 2016–2017. The in situ temperature data, however, never
reached the MMM + 1 ◦C threshold for bleaching, and based on these data there would be
no accumulation of DHWs.

There was a three-way interaction between site, depth, and year on bleaching preva-
lence [three-way repeated-measures ANOVA, χ2(3) = 19.662, p = 0.0002] (Figure 5). All sites
at each depth showed a decrease in the prevalence of coral bleaching from one survey to
the next (p < 0.05; Figure 5), which is expected as the second survey was conducted at the
onset of austral winter. However, only Rural-E at 10 m (13.4 ± 0.7% and 2.7 ± 1.2% in 2015
and 2017, respectively) and Urban-W at 5 m (17.4 ± 1.6% and 1.8 ± 1.3%) had significant
decreases in the prevalence of bleaching.
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4. Discussion

This study provides a baseline for the condition of four outer reef slope communities
that are located within ~40 km of the capital Dili, in Timor-Leste. Insights are provided
for two key questions posed at the outset of this study. Firstly, coral cover and health was
variable and we infer that small-scale fishing and gleaning are influencing reef health at
one of the urban sites, and, second, local impacts are a greater immediate threat to Timorese
reefs compared to ocean warming for the time being.

4.1. Coral Community Composition and Human Impacts

The underlying coral community composition was variable across the four surveyed
sites. There is some evidence that increased human population density correlates with
damaged reefs [98–101] and the rural sites did have greater percent coral cover compared to
the urban sites, a difference which could be an indication of better reef condition. Site-level
differences, however, seemed to play a greater role than rural versus urban classifications.
Rural-N was distinct in having the highest coral cover and a diversity dominated by
acroporids, a finding comparable to the biodiversity assessment of the same site in the 2012
Rapid Marine Assessment [102]. This site was also the only barrier reef surveyed, barrier
reef formations being uncommon along the steep bathymetry of the north coast and harder
to access. Anecdotally, it was observed that site-specific factors, such as ease of access to
the reef, appear to be associated with indications of reduced reef health, such as reduced
coral cover and coral diversity, and with an increase in compromised health states.

In addition to accessibility, geography, seasonal changes in precipitation, land-use,
accumulated wave exposure, and storm exposure are likely to affect the reef community.
Although these factors are important in shaping coral reefs, they were outside the scope
of the study. Rural-N may be less subject to sedimentation than the other three sites as
Ataúro Island does not have any significant rivers on it. Although Rural-N was the only
barrier reef, all sites had steep reef slopes which is characteristic of Timorese reefs [103].
Despite the distance from large rivers for the remaining sites, coastal construction and the
addition of culverts under roads could provide inputs of sediments especially at Rural-E.
Large storms and waves that would have destructive effects on reefs are uncommon along
the north coast [87]. The regions comprising Rural-N and Urban-E have similar wave
exposure regimes of 0.5 m maximum wave height which is likely not responsible for the
low coral cover compared to Rural-N (Figure 3) [104]. Temperature differences likely have
a negligible influence on community composition as the temperature logger data were
consistent between the three sites (Figure 7). This is with the caveat only three sites were
measured; however, two years of NOAA temperature logger data measured from October
2012 to October 2014 at sites corresponding to Rural-N, Rural-E, and Urban-E were also
very consistent [104]. More extreme differences in temperature are likely to shape coral
reefs. This leads to the conclusion that localized human impacts play an important role in
the site differences observed on these coral reefs.

Fishing is playing an increasingly significant role in Timor-Leste. Observations of
extensive rubble slopes at Urban-W suggest this damage may be due to blast fishing,
although the damage did not appear to be recent [102]. Gleaning is largely overlooked
and an important means of food security in Timor-Leste with most (>80%) of Timor-Leste
households in coastal communities gleaning [17,105,106]. Increased gleaning could also
be a sign of diminishing fishing returns [107] or economic crises [108] and could result in
degraded coral reef flats [109–111].

Urban-W site had the most fishing activity and showed the greatest signs of blast fish-
ing impacts observed during the fieldwork. The subdistrict of Dom Alexio encompassing
this site has the highest human population density adjacent to any of the four sites, with
4993.0 people/km2 compared to 449.8 people/km2 at Urban-E and 79.3 people/km2 nation-
ally. Both rural sites had less than half (<35 people/km2) of the national population density.
At Urban-W, the low coral cover at 5 m and the low diversity at 10 m could be attributed
to the high subsistence and recreational (swimming) usage at the site. During surveys,
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women were observed gleaning for invertebrates on the low tide, small children were
playing in the surf and on the reef flat, and men were net-fishing from small boats (Figure
S4). While distance to the nearest river may be a sensible explanation for community-level
differences between Rural-N and Rural-E, relative ease of access in a densely populated
area differentiated Urban-W from Urban-E.

4.2. The Health of Coral Reefs along the North Coast of Timor-Leste

The prevalence of disease and compromised coral health was expected to be greater at
urban sites with larger nutrient input and greater δ15N values at the shallow 5 m transects.
Contrary to expectations, disease was highest at Rural-N at 5 m, with levels of WS at ~1%
in both survey years. The low levels of disease detected in the current study agree with
previous surveys [102,112], although no previous studies were specifically quantifying
disease and compromised health. WS was the main pathology consistently observed
during surveys. The WS documented at Rural-N was likely an infectious disease [26] and
in the Indo-Pacific, WS is known to target acroporids [26,29,113]. Signs of WS spreading
between acroporid corals were observed in the field. The pathogen causing WS at Rural-N
is unknown but was likely Vibrio spp. a genus of bacteria that have been associated with
diseases of multiple organisms including corals and humans [114–120]. Additionally, there
was a positive association between host abundance and disease prevalence. This follows
the classic density-dependent host–pathogen relationship [90–92]. In this study, all but one
case of WS were found on acroporids. Rural-N had the highest density of Acroporids and
13 of the 17 recorded WS cases in 2015 and all 10 cases in 2017 were documented at this
site [24,29,121,122]. The few cases of coral tissue mortality at other sites could have been
from other causes such as unidentified predation; however, the pattern of distribution of
corals affected by WS at Rural-N indicated that it was caused by an infectious pathogen.

There was likely coral mortality caused by the WS, inferred from the proportion
of dead coral on some colonies (Figure 2a) [123,124], but this was likely not responsible
for the decrease in coral cover in Rural-N. WS has the capacity to significantly decrease
coral cover through mortality, which is associated with a much higher disease prevalence
(>30%) [79]. Additionally, prevalence of WS did not differ between depths (Figure 5) and
there was an increase in coral cover at Rural-N 10 m; thus, the changes in coral cover could
be attributed to spatial heterogeneity recorded on non-permanent transects. WS recorded
here is likely typical background levels of disease comparable to other CT locations, not an
outbreak. The prevalence of WS, however, should continue to be monitored [122,125–128].
The low prevalence of coral disease in the CT supports the disease-diversity hypothesis
which predicts that higher host species diversity will decrease the severity of outbreaks
of a specialist pathogen [129–131]. The majority (>50%) of cases of WS were on tabulate
acroporids, which are known to be the most susceptible to this syndrome. Four different
acroporid morphologies were documented with WS during surveys likely encompassing
different acroporid species with variable resistance to WS.

WS is a dynamic disease and can occur in outbreaks devastating acroporid popula-
tions [26,132] and thus altering overall coral community structure [132]. WS outbreaks
have been linked to sediment plumes from dredging, terrestrial runoff, and elevated ocean
temperature [29,30,133,134]. This is especially relevant given the recent global bleaching
event and expected increase in the prevalence and severity of marine diseases given con-
tinued ocean warming [135]. A significant relationship between WS and coral bleaching
co-infection was found on the GBR during the 2016–2017 global bleaching event. Acropora
colonies that exhibited both WS and bleaching had seven times more tissue loss than
solely bleached colonies [79]. Cooler temperatures could have been a protective factor
against outbreaks of WS in Timor-Leste given the cooler subsurface temperatures on reefs
compared to SST during the wet season. This phenomenon also coincides with the yearly
ocean temperature maximum which is when corals would be most prone to bleaching.
Increased sedimentation from catchments, however, is a continued threat as watersheds
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in Timor-Leste are degraded [20,136]. Future work assessing the downstream impacts of
sedimentation on reefs and coral health is warranted.

The number of indicators of compromised health exceeded the prevalence of dis-
ease at surveyed sites. Rural-N at 5 m had the highest prevalence of non-coral inverte-
brate overgrowth (Figure 5); this could be explained by greater coral cover eliciting more
coral-invertebrate interactions, as the cover of invertebrates was comparable between all
sites. The infestation of flatworms was found at all sites, except Urban-W 10 m, with
a prevalence similar to that reported from Indonesia [122] including some severe cases
(Figure 2c). Although their role in coral reef environments is not well understood, flat-
worms consume coral mucus, reduce heterotrophic feeding, and at high densities inhibit
photosynthesis [137–139]. There was also a notable absence of turf overgrowth at Rural-
N, while the remaining sites had high levels which could be indicative of depauperate
herbivore communities or elevated nutrients at these locations [140,141]. Competitive inter-
actions between corals and other organisms such as boring barnacles, CCA overgrowth,
and turf overgrowth were more commonly found on genera with massive morphologies
such as Platygyra, Montastrea, and massive Porites.

4.3. Water Quality and Sources of Nutrients in Timor-Leste

The nutrient concentrations plus stable isotope ratios were more indicative of oceanic
processes (upwelling, internal waves, etc.) than of terrestrially derived nutrient pollution.
The levels of inorganic nutrients found in this study were not indicative of nutrient pollu-
tion. These values were comparable to nutrients measured in the Laclo river (~12 km east
of Rural-E) in 2006 (See Supplementary Materials) [22]. Overall, nutrients were not found
to be significantly elevated at surveyed sites. The sampling was also undertaken during
the dry season (Mar to Nov) which would limit nutrient inputs from land and capturing
elevated signals from point source pollution can be difficult.

Contrary to what was expected, combined nitrate and nitrite and phosphate aver-
ages were highest at Rural-N at 10 m; this could be a sign of upwelling nutrient-rich
water [66,68,102,103,142]. Another source of nutrients at this depth could derive from sub-
marine groundwater discharge [143]. An ephemeral bloom of cyanobacteria overgrowth
was found at Urban-W 10 m in 2015 (6.1% prevalence), which can be a sign of elevated
nutrients or other disturbances (ship strikes, etc.) [144–146]; however, seawater nutrients
and stable isotope values were not elevated at this site suggesting the cause was not nu-
trient related. Although NH4

+ was not significantly different between survey sites with
the exception Rural-E 5 m, the range of 1.32 to 2.69 μM was greater than values between
0.3 μM and 2.2 μM [43,44,53] previously recorded for reefs in the Indo-Pacific.

The stable isotope data were consistent across sites and depths (range 2.5–5.5‰ ex-
cluding outliers) falling within the range of pristine oceanic (2–3‰) [48,147] and upwelling
areas (5–6‰) [50,64–70]. The data were not indicative of δ15N sewage enrichment typically
ranging from 8 to 22‰ [49,52,61,148,149]. The mean δ15N was significantly higher for the
Chlorodesmis spp. at Urban-W as compared to Urban-E (Table 1). However, no Chlorodesmis
spp. was found at Rural-N. Halimeda spp. were more abundant at sites and calcareous
algae are good integrators of nitrogen over weeks to months versus days with fleshy
macroalgae [60]. Similar values were recorded for both algae collected across sites and
depths which indicates that the influx of nitrogen had been stable across several months.
This is likely due to sampling being undertaken at the end of the dry season when there is
little terrestrial runoff. There were a few outlier data points with much higher (12.17‰,
15.12‰) and lower (−6.79‰) δ15N values recorded in Halimeda samples, and these could
be indicative of localized inputs on a scale of tens of meters of nutrients such as fish waste
or groundwater discharge. Previous studies have demonstrated that macroalgal δ15N signa-
tures decrease with depth where there is land-based pollution [50,52,57,150]. The influence
of upwelling is less clear as both δ15N depletion and enrichment have been reported with
upwelling [50,64,68,151].
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In summary, assigning direct links between the condition of coral reefs and the source
of nutrients is difficult. The mean δ15N values of algae sampled were higher than those
reported from the open ocean. However, given the timing of collection, it is unlikely
our sampling captured the effects of terrestrial run-off or of potential sewage pollution.
Additionally, nutrients can be absorbed rapidly by biota and thus differences between
pristine and polluted sites may not be readily apparent. Significant seasonal differences
have been demonstrated for stable isotope values in macroalgae [51] so that further seasonal
investigations are needed to elucidate the source of nutrients in nearshore waters.

4.4. Elevated Temperature and the Prevalence of Bleaching from Thermal Stress

The surveys in the present study were conducted immediately before the austral
summer during the 2015 ENSO event which triggered mass bleaching globally [9]. The
CRWTL virtual monitoring station indicated that the temperature began rising above the
maximum monthly mean (MMM) in November 2015; however, care must be taken in
interpreting such data given that the satellite only measures the temperature of the first
10–20 μm of the ocean [152] compared to loggers placed at 5 and 10 m. Satellite temperature
products can be misleading in nearshore waters where pixels encompassing mostly land
would be omitted. Timorese reefs are very steep and close to the coast and likely not to be
included in satellite temperature products [103].

Timor-Leste appears to have experienced lower levels of bleaching compared to some
other reef regions such as the Northern Great Barrier Reef (NGBR), one of the most severely
affected by bleaching in 2016. The CRWTL accumulated DHWs on 55% of the days between
survey periods compared 49% of days during the same time in the NGBR according to
Coral Reef Watch data. However, the magnitude of DHWs in the NGBR reached 13.59 ◦C-
weeks, more than double the 5.79 ◦C-weeks maximum in Timor-Leste. Comparison of in
situ bleaching surveys and DHWs on the GBR indicated that 2–3 ◦C-weeks are associated
with low levels of bleaching, >4 ◦C-weeks with 30–40% corals bleached, and >8 ◦C-weeks
with a mean of 70–90% of corals bleached [72,73]. The bleaching severity of the NGBR
was greater than 60% for all surveyed reefs in 2016. Although there are no data on the
extent or severity of bleaching on reefs in Timor-Leste, DHW data would project mass coral
bleaching in Timor-Leste of around 30–40%.

Local dive operators in Timor-Leste reported mass coral bleaching at Jaco Island, the
easternmost point of the country, at the end of March. By the end of May, bleaching was
affecting the majority (estimated 90%) of Goniopora spp. on Ataúro Island (Figure S5a),
massive Porites spp. from 5–18 m at Jaco Island (Figure S5b), and staghorn acroporids at
shallower depths in the same area. Bleaching reportedly began at shallow depths and
progressively affected corals at greater depths (T. Crean, personal communication, 31 May
2016). The timing of the observed bleaching matched the in situ temperature logger timeline
in which the mean monthly temperatures exceeded the MMM in March 2016. The in situ
temperatures never exceeded the MMM + 1 ◦C threshold for DHW accumulation and mass
bleaching (Figure 7). The range of temperature recorded by the loggers during December
2015 was from 27 ◦C to almost 31 ◦C, indicating reefs did experience elevated temperatures,
but not for prolonged periods. The in situ mean temperature began to creep over the MMM
and close the gap with the CRWTL data in March and April 2016. The in situ temperature
approached MMM + 1 ◦C in May of 2016 five months after the CRWTL temperatures had
been above the bleaching threshold (Figure 7). The in situ data are limited to the Dili and
Ataúro Island areas and may not be representative of temperature regimes in the Jaco
Island region. Even so, anecdotal reports that most bleaching occurred in May 2016 on both
Ataúro and Jaco Islands matches the temperature timeline of the in situ temperature.

Based on the comparison of in situ temperature logger data in Timor-Leste and the
satellite-derived SST, CRWTL overestimates the bleaching stress in-country. This is likely
due to upwelling at the study sites during the Northwest monsoon (NWM) [85]. The north
coast of the Lesser Sunda Islands is a NWM upwelling zone with intensity increasing
eastward. Timor-Leste is one of the easternmost islands in the Lesser Sundas (Figure 1) and
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strong westerly winds (>4 m/s) promote offshore Ekman Mass Transport (3–5 m2/s) on the
north coast facilitating coastal upwelling. There were inconsistencies identified between
SST and other oceanographic metrics analyzed in the region which was attributed to local
oceanographic context and the influence of the Indonesian ThroughFlow (ITF) [85]. The
ITF is strongest in the eastern Lesser Sundas [83–85,153] with the strongest currents during
the austral summer/NWM which may promote mixing of the water column [154]. Vertical
profiles also show upwelled less dense water masses approaching the surface around
February for a short time period (~1 month) [85] which could be too short to influence
remotely sensed SST measurements such as CRWTL. Additionally, ENSO was found to
play a dominant role in interannual variability of NWM upwelling with decreased wind
speeds and upwelling during El Niño [85,155,156].

The confluence of coastal upwelling during the season of the annual ocean temper-
ature maximum indicates Timor-Leste could serve as a climate refugium for coral reefs
against climate change-induced ocean warming as identified in other reef regions [157,158].
However, as discussed, coral bleaching did occur in Timor-Leste during the 2016–2017
marine heatwave, only not to the same extent as other reef regions. As such, cooling from
upwelling would provide temporary respite as predicted warming of 2 ◦C from climate
change would push Timorese reefs over the bleaching threshold [157]. There are nega-
tive impacts associated with upwelling such as hypercapnic (CO2-rich) upwelled waters
impeding the calcification and growth of corals [89,157,159]. This lower calcification rate
could affect the ability of Timorese reefs to cope with sea-level rise and recovery from
disturbances. There is, however, evidence that calcifying organisms can withstand seasonal
increase in acidity through increased heterotrophic feeding [160,161]. Additionally, a study
in the Eastern Tropical Pacific found that increased resilience to coral bleaching will po-
tentially outweigh negative impacts to coral physiological from upwelling [157] especially
as oceans warm and ENSO events become more frequent and extreme [162,163]. Further
research on the complex oceanography of the region, variability of ENSO in a changing
climate, and interactions between environmental (light, temperature, CO2, salinity, etc.) and
biological (disease, heterotrophy, calcification, etc.) parameters are required to understand
and manage the country’s marine resources.

5. Conclusions

The present study set out to understand the nature of both local and global threats
to the relatively understudied coral reefs of Timor-Leste. Baseline information on these
systems is limited despite the current and future importance of these marine resources to
Timor-Leste. Coral reefs on the north coast of Timor-Leste are characterized by high coral
cover, as much as 58.2 ± 6.4%. There is concern, however, that sites close to the urban areas
of the capital city, Dili, are showing signs of degradation, since there is <5% hard coral
cover at 5 m depth at one of the two urban sites. Coral disease and excess nutrients were
not identified as significant causes of reef degradation at the sites surveyed in this work,
although these aspects of reef health should continue to be monitored. Sites were affected
by coral bleaching during a marine heatwave between the two surveys. However, in situ
water temperatures were significantly lower than the CRWTL measurements, in line with
previous oceanographic work identifying seasonal coastal upwelling in the region [155].
If this is so, healthy shallow reefs in such locations may serve as a climate refugia against
ocean warming [157,158] which is corroborated by a global analysis including Timor-Leste
as one of the 50 reef regions that are less vulnerable to climate change relative to other
reefs [164]. As such, both community and national level coral reef management such as
customary law (tara bandu) and climate mitigation policies, respectively, are necessary to
ensure biodiversity is maintained while supporting coastal communities in a changing
climate [165]. Although tackling climate change at an international level is still important for
Timorese coral reefs, coral reef conservation efforts in-country should focus on mitigation
of localized anthropogenic impacts such as sedimentation and fishing.
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Abstract: Shallow coral reefs ensure a wide portfolio of ecosystem services, from fish provisioning
to tourism, that support more than 500 million people worldwide. The protection and sustainable
management of these pivotal ecosystems require fine-scale but large-extent mapping of their 3D
composition. The sub-metre spaceborne imagery can neatly produce such an expected product using
multispectral stereo-imagery. We built the first 3D land-sea coral reefscape mapping using the 0.3 m
superspectral WorldView-3 stereo-imagery. An array of 13 land use/land cover and sea use/sea
cover habitats were classified using sea-, ground- and air-truth data. The satellite-derived topography
and bathymetry reached vertical accuracies of 1.11 and 0.89 m, respectively. The value added of the
eight mid-infrared (MIR) channels specific to the WorldView-3 was quantified using the classification
overall accuracy (OA). With no topobathymetry, the best combination included the eight-band optical
(visible + near-infrared) and the MIR8, which boosted the basic blue-green-red OA by 9.58%. The
classes that most benefited from this MIR information were the land use “roof” and land cover “soil”
classes. The addition of the satellite-derived topobathymetry to the optical+MIR1 produced the best
full combination, increasing the basic OA by 9.73%, and reinforcing the “roof” and “soil” distinction.

Keywords: satellite; superspectral; VHR; topobathymetry; LULC; SUSC; Moorea Island

1. Introduction

Tropical shallow hard coral reef ecosystems provide numerous and valuable services
to local socio-economies, such as fish and seafood provisioning, coastal protection, or
wealthy recreational activities [1]. These services have been estimated to support more
than 500 million people worldwide [2]. Even though coral reefs cover only 0.1% of the
oceans, they host 25% of all marine identified species [3]. However, anthropocenic changes,
embodied by both sea level, sea temperature and sea acidification rises and also sedimenta-
tion related to watershed deforestation and land claiming, are strongly threatening these
pivotal ecosystems [4].

The protection and sustainable management of these ecosystems requires us to adopt
an integrated view of the seamless land- and seascape at a high spatial resolution, adequate
to meet local stakeholders’ expectations [5]. Even if the global, thus coarse (>1 m pixel
size), products are insightful for assessing coral reef trends, the very high spatial (i.e.,
<1 m pixel size) mapping of the land use land cover (LULC) and the sea use sea cover
(SUSC) constitutes a fitting response to needs of local users, managers and decision-
makers. Either passive or active, airborne imagery can successfully provide some spectro-
spatial combinations able to generate coastal topography and bathymetry using unmanned
airborne vehicles [6,7], and map sub-metre LULC and SUSC using hyper-/multi-spectral
camera [8] or multi-spectral light detection and ranging (LiDAR) system [9]. However, the
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manned or unmanned airborne limitations, tied to the elevation-specific flight planning
and the relatively small surveyed area, impede their utilization for regional mapping [10].
The sub-metre spaceborne imagery has emerged as a tool of interest given its capability
to capture large extents with a very high spatial resolution, despite its purchase cost [11].
Around 2000, IKONOS (1999) and QuickBird-2 (2001) became the first satellite sensors
collecting imagery at 1 m pixel size across regional scales. These civilian and commercial
pioneers were followed by sub-metre United States WorldView-1, -2, -3, -4 (2007, 2009, 2014,
2016), GeoEye-1 (2008), SkySat series (2013–2017), French Pleiades-1A and -1B (2011 and
2012), Korean Kompsat-3 and -3A (2012 and 2015), United Kingdom TripleSat (2015), and
Chinese Gaofen-2 (2014), Jilin-1 (2015), Superview-1 (2018) [12]. In addition to their spatial
resolution capability inherent to the panchromatic band, most of these sensors acquire
four spectral bands: the visible (VIS) blue, green, red (BGR), and the optical near-infrared
(NIR). Three outliers thereupon appear: the panchromatic WorldView-1, the optical 8-band
WorldView-2, and the optical+mid-infrared (MIR) 16-band WorldView-3. The WorldView-2
improved the bathymetry mapping [5], the coral cover and health mapping [13,14], and the
seamless LULC/SUSC mapping [11]. The WorldView-3 augmented the bathymetry [15],
mineral [16], hydrocarbon [17], lithological [18], salt marsh [19], tropical forest [20], coral
reef [8], and even urban plastic [21] mapping.

Furthermore, the spaceborne sub-metre LULC mapping was significantly enhanced by
the (tri-)stereo-acquisition of the same scene, offering the opportunity to produce seamless
land-sea digital surface models (DSMs), using the photogrammetry for land and the ratio
transform for sea [22]. Horizontal and vertical accuracies of the land DSM-derived stereo-
Pleiades-1 have been quantified at 0.53 and 0.65 m, respectively [12]. The addition of the
topographic band to the spectral information has been shown to significantly improve
spaceborne sub-metre LULC mapping [12]. Even if the novelty of the latter work relied
on the sole use of a spaceborne stereo-imagery, the bathymetry and the SUSC mapping
were not examined. An integration of the terrestrial and marine DSM into the spaceborne
sub-metre spectral dataset was elsewhere useful in mapping the seamless coral reefscape
in Japan using Google Earth imagery [23], but it was not derived from a sole spaceborne
by-product. To our knowledge, a unique study has focused on the land-sea coral reefscape
mapping using a sole spaceborne sub-metre stereo-imagery [24].

Despite the use of the WorldView-3 stereo-imagery to produce land-sea DSM, the
authors had not previously investigated the added value of the 16-band superspectral
dataset to map LULC and SUSC, simultaneously. In this paper, we innovatively propose
to classify sub-metre LULC and SUSC of a coral reefscape using a sole spaceborne stereo-
imagery, from which the topographic, bathymetric and superspectral information are
derived. The scene studied was acquired over the complex coral reefscape of Moorea
Island (French Polynesia, South Pacific) using a WorldView-3 stereo-imagery (Figure 1). The
chosen area exhibits representative eight LULC and five SUSC classes, and encompasses
steep volcanic vegetated watersheds, flat rural coastal areas, and a reef-dominated lagoon.
An set of five issues will be considered: (1) the added value of the Coastal and yellow
bands to the basic BGR classification accuracy; (2) the added value of the Red Edge (RE),
NIR1 and NIR2 bands to the basic BGR classification accuracy; (3) the added value of the
MIR bands to the basic BGR classification accuracy; (4) the influence of the topobathymetry
(i.e., land-sea DSM) on the basic, visible, optical and optical+MIR datasets’ classification
performance; and (5) all four previous questions considered at the class-level.
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Figure 1. Natural-coloured WorldView-3 imagery (0.3 m × 0.3 m, 3017 × 5937 pixels) of the study
area on Moorea Island (French Polynesia). (a) The red and green spheres represent 32 topographic
and 35 bathymetric calibration/validation datasets; (b) the array of 105 multi-colour rectangles
represents 78,000 pixels of 13 habitats, each one composed by 3000 calibration and 3000 validation
pixels.

2. Materials and Methods

2.1. Study Site

The study site is located on the north shore of Moorea Island (17◦32′ S, 149◦50′ W)
in French Polynesia (Figure 1). Moorea is a 1.6 million-year-old volcanic island which
at its highest point reaches 1207 m and extends over 187 km2, divided into 134 km2 and
53 km2 of land and sea areas, respectively. While being in the vicinity of Tahiti, the capital
of French Polynesia, Moorea, is considered as a life-size laboratory, given its large array
of land-sea spatial patterns and multi-scale socio-ecological processes [25]. The spatial
features include rain and dry forests, volcanic and laterite soils, coconut and banana crops,
urban infrastructures, coralligeneous sand, reef pavement, fringing and barrier reefs. The
territory is changing rapidly due to the doubling of the local population in 40 years [26],
the conversion of forest to pineapple crops and the urban growth. The lagoon hosts
traditional fishing activities and is experiencing an increase in tourism activities. The test
area, extending over 1.61 km2, is composed of a complex land-sea coral reefscape, selected
to embrace all the previously mentioned components.

2.2. Land-, Sea- and Air-Truth Data

The topobathymetry extraction requires XYZ control points for both land and sea
realms [24]. The topographic DSM was calibrated and validated by 20 and 12 ground
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control points (see red spheres in Figure 1a), surveyed in September 2018 with a Mobile
Mapper 120 provided with a 20 Hz Differential-GPS+GLONASS position output, ensuring
a maintained 0.3 m accuracy. The sampling distribution was not optimal because it was
constrained by the need to use a single pathway that ran along a crest surrounded by steep
ravines. The bathymetric DSM was calibrated and validated by 20 and 15 sea control points,
retrieved from the digitized French Navy chart (identified as 6657, based on a 1966-to-1972
hydrographic campaign originally referenced to the lowest astronomical tide, see green
spheres in Figure 1a). Despite the gap in timing between the waterborne soundings and
the spaceborne acquisition, the absence of major local events in the seascape enabled the
freely available hydrographic soundings to be used, for the sake of transferability. Both
topographic and bathymetric control points were then horizontally referenced to the UTM
6 South projection into the WGS-84 datum, and vertically zeroed to the mean sea level.

A suite of 13 habitats (Figure 1b) were inspected using geolocated handborne pho-
toquadrats for land classes and geolocated airborne for sea classes. Photoquadrats were
taken with an Olympus Tough TG-4 provided with BGR bands (16 million pixels each),
while aerial pictures were monitored using a DJI Mavic Pro Platinum collecting BGR
bands (12 million pixels) at 35 m altitude (height above the mean sea level). A series
of 90 photoquadrats and 90 aerial photographs were orthorectified [8] to distinguish
10 classes, representative of an average land-sea coral reefscape (Table 1). Five land and five
sea classes were each constituted of 30 and 30 seed pixels neighbourly and evenly grown
to 3000 calibration and 3000 validation pixels, respectively. The three remaining classes,
namely forest, roof and shadow, were straightforwardly characterized by 3000 calibration
and 3000 validation pixels visually selected on the satellite imagery.

Table 1. Description of the 13 land use/land cover and sea use/sea cover classes.

Class Name Class Description Class Colour

Forest Wet arborescent stratum  
Wood Wet arbustive stratum  
Grass Wet herbaceous stratum  

Dry vegetation Wind and sun exposed forest, wood or grass  
Soil Bare volcanic or lateritic substratum  
Roof Wooden or metallic house covering  
Road Tarmac way  

Shadow Tree or house shading  
Backshore Emerged coral sand  
Foreshore Shallow coral sand  
Nearshore Mid coral sand  
Offshore Deep coral sand  

Coral reefs Scleractinian and coralline algae  

2.3. Spaceborne Dataset

Launched on 13 August 2014, the commercial WorldView-3 spearheads the choice of
sub-metre civilian satellite, given its hyperspatial and superspectral capabilities, namely
one panchromatic band at 0.3 m, five VIS + three NIR bands at 1.2 m, and eight MIR bands
at 3.7 m. The pansharpening technique can successfully produce 16 spectral bands at 0.3 m
spatial resolution ([27], Figure 2).

238



Oceans 2021, 2

 

Figure 2. Lineplot of the superspectral (16 bands) WorldView-3 sensor’s sensitivity as a function of
their wavelengths.

Provided with a daily revisit, this sensor leverages a swath width of 13.1 km and
length of 112 km. The WorldView-3 dataset used here is a stereo-imagery acquired on
18 July 2018 at 20:35:38 UTC (Figure 3a, Table 2) and 20:36:39 UTC, respectively (Figure 3b,
Table 2).

Figure 3. Natural-coloured WorldView-3 imageries of the study area, taken on 18 July 2018, over the
north shore of Moorea Island (French Polynesia). (a) Imagery #1 taken with 26.4◦ off-nadir viewing
angle; (b) Imagery #2 taken with 16.5◦ off-nadir viewing angle.
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Table 2. WorldView-3 specifications related to the stereo-imagery acquisition over the study site.

Parameters Imagery #1 Imagery #2

Date 12 July 2018 12 July 2018
Time (UTC) 20:35:38 20:36:39

Mean viewing angle
In-track (in ◦) 23.6 −12.6

Cross-track (in ◦) 12.2 10.8
Off-nadir (in ◦) 26.4 16.5

Satellite azimuth (in ◦) 34.3 148.6
Satellite elevation (in ◦) 60.7 71.9

Sun azimuth (in ◦) 29.9 29.7
Sun elevation (in ◦) 45.0 45.1

2.4. Spaceborne Topographic DSM

The building of the satellite-based topographic DSM requires both panchromatic
imageries to be radiometrically converted from digital number to top-of-atmosphere ra-
diance, then to bottom-of-atmosphere reflectance values by considering the calibration
factors (.IMD file), the atmosphere composition and sun irradiance (see [5] for details). The
reflectance imageries were used to retrieve a 3D point cloud using a dense point matching
algorithm [28]. The matching algorithm seeks for the pairwise pixels of two imageries by
shortening the epipolar 2D to 1D, based on the rational polynomial coefficients (RPCs),
then by reducing the length of the epipolar line with the global multi-resolution terrain
elevation data 2010 dataset. The point cloud was then gridded at 0.3 m by converting the
XY coordinates into the WGS84 datum, UTM zone 6S, and referencing in Z to the mean sea
level (Figure 4). The topographic validation accuracy was estimated by the mean absolute
error (MAE) and the root mean square error (RMSE) between the modeled and observed
values (N = 12). The MAE and RMSE attained 0.84 and 1.11 m, which corroborates the
results from previous WorldView-3 works [24].

2.5. Spaceborne Bathymetric DSM

The creation of the satellite-based bathymetric DSM relies on the use of a single mul-
tispectral imagery that needs to be both radiometrically and geometrically corrected, as
well as pansharpened. The imagery #2 was selected for this purpose since it displayed
the lowest off-nadir viewing angle (Table 2). Following the radiometric correction (see
Section 2.4), the VIS+NIR multispectral reflectance imagery was orthorectified using the
RPCs and the 20 ground control points, as well as the corresponding panchromatic re-
flectance imagery. Among seven sharpening methods, the Gram-Schmidt pansharpening
procedure yielded the best visual results, and it was then implemented so as to produce a
VIS+NIR dataset at 0.3 m pixel size (see [5] for details). The resulting sub-metre eight-band
dataset was subjected to the radiative transfer model, called the ratio transform [29]. This
standard bathymetric model makes use of the fact that light absorption by water varies
with wavebands. It can thereafter determine the bathymetry (z), as follows:

z = a1

(
ln[Rw(λi)− R∞(λi)]

ln
[
Rw
(
λj
)− R∞

(
λj
)]
)
− a0 (1)

where a0 is the intercept to match the mean sea level, a1 is the slope converting the relative
to absolute bathymetry (20 calibration sea control points), Rw is the reflectance related to the
waveband λi, and R∞ is the reflectance over deep water. The MAE and RMSE bathymetric
validation (N = 15) accuracy reached 0.74 and 0.89 m, echoing the findings from previous
WorldView-3 studies [15,24].
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Figure 4. (a) Natural-coloured orthorectified WorldView-3 imagery of the study area; (b) topo-
bathymetric digital surface model (in m) derived from the combination of a photogrammetry-based
stereo-panchromatic imagery for land and a ratio transform model for sea, both derived from the
same WorldView-3 stereo-imagery. The colour scale on the right indicates the estimated height and
depth below sea-level of different parts of the image.

2.6. Habitat Classification

The habitat mapping stemmed from the superspectral capabilities of the WorldView-3
sensor. In addition to the pansharpened optical (VIS+NIR) reflectance, the eight-band
MIR contribution to landscape (and not seascape given its water absorption) mapping
was tested, which necessitated radiometric and geometric corrections purposed to the
pansharpening enhancement (see [19] for WorldView-3 pansharpening). An output of
16 spectral bands at 0.3 m was used as input predictors for a supervised classification based
on the commonly used probabilistic maximum likelihood (ML) algorithm. This learner
assumes that the statistics for each class in each spectral band are normally distributed,
enabling the probability that a given pixel belongs to a specific class to be estimated.

The 3000 calibration pixels per class were used to build the ML model, while the
3000 validation pixels per class were intended for computing the confusion matrix (CM),
from which the omission, commission misclassification (or error) and overall accuracy
(OA) were drawn. These accuracy metrics were based only on the multi-colour rectangular
regions of interest (see Figure 1b), and not on the whole scene. The omission misclassifica-
tion corresponded to the rate at which sites were erroneously omitted from the correct class
in the classified map, while the commission misclassification embodied the rate at which
sites were correctly classified as ground-truth sites but were erroneously omitted from the
correct class in the classified map. The OA and CM were used to analyze gain patterns at
the scene and the class scale, respectively. First, the VIS, NIR and MIR spectral contribu-
tions were assessed by, respectively, adding the Coastal and yellow, RE-NIR1-NIR2, and
MIR1-MIR2-MIR3-MIR4-MIR5-MIR6-MIR7-MIR8 bands, to the basic BGR combination.
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Second, the spatial contribution of the land-sea DSM was evaluated for the three spectral
blendings. Third, the best predictions were further analyzed at the class level.

3. Results

Firstly, the contributions of the WorldView-3 spectral VIS, NIR and MIR were quanti-
fied for the LULC-SUSC classification accuracy. Secondly, the WorldView-3 spatial topo-
bathymetric DSM was evaluated. Thirdly, the highest spectral and topobathymetric effects
were assessed at the class scale.

3.1. WorldView-3 Superspectral Land-Sea Habitat Mapping

The classification performance of the BGR basic dataset provided a satisfactory OA
of 89.15% (Figure 5a). On the one hand, the addition of the coastal and yellow predictors,
yielding the VIS combination, increased the basic OA by 2.69% (Figure 5b). On the other
hand, the addition of the RE, NIR1 and NIR2 to the VIS combination, so as to produce the
optical dataset, augmented the basic OA by 8.79% (Figure 5c).

Figure 5. Maximum likelihood classification maps of the land-sea coral reefscape using WorldView-3: (a) basic dataset
(blue-green-red); (b) visible dataset (Coastal-blue-green-yellow-red); (c) optical dataset (Coastal-blue-green-yellow-red-Red
Edge-Near-InfraRed1-Near-InfraRed2).

The addition of the eight MIR spectral bands, individually, to the optical dataset
showed a high mean contribution of 9.52% (Figure 6). However, some subtle patterns could
be highlighted: the MIR8, MIR7, MIR2, MIR5 contributed to a gain of the basic OA (9.58%,
9.57%, 9.53% and 9.51%, respectively); the MIR3, MIR4 and MIR6 contributed to the mean
increase of 9.5%; and the MIR1 contributed to an enhancement of 9.47%. Given that the
optical boosting to the basic OA was 8.79%, all MIR bands brought novel information to
discriminate LULC-SUSC.
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Figure 6. Maximum likelihood classification maps of the land-sea coral reefscape using WorldView-3 optical dataset with:
(a) Mid-InfraRed1 (MIR1); (b) MIR2; (c) MIR3; (d) MIR4; (e) MIR5; (f) MIR6; (g) MIR7; (h) MIR8.

3.2. WorldView-3 Topobathymetry into Land-Sea Habitat Mapping

The evaluation of the influence of the WorldView-3-derived topobathymetry followed
the same procedure as in 3.1. The addition of the DSM to the BGR basic dataset increased
the OA by 2.74% (Figure 7a). The addition of the DSM to the VIS combination augmented
the basic OA by 5.44% (Figure 7b). The addition of the DSM to the optical dataset enhanced
the basic OA by 9.15% (Figure 7c).
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Figure 7. Maximum likelihood classification maps of the land-sea coral reefscape using WorldView-3 topobathymetric
digital surface model with: (a) basic dataset (blue-green-red); (b) visible dataset (Coastal-blue-green-yellow-red); (c) optical
dataset (Coastal-blue-green-yellow-red-Red Edge-Near-InfraRed1-Near-InfraRed2).

The addition of the DSM to the eight MIR spectral bands (individually added to
the optical dataset) showed a high mean contribution of 9.55% (Figure 8), slightly better
than the MIR bands with no DSM (Figure 6). Some variations still appeared: the MIR1,
MIR8, and MIR7 contributed to the best gains of the basic OA (9.73%, 9.69%, and 9.60%,
respectively); the MIR5 and MIR6 contributed to the mean boost of 9.53% and 9.51%; and
the MIR4, MIR2 and MIR3 contributed to the least increases of 9.47%, 9.45% and 9.42%.
Since the DSM-added optical contribution to the basic OA was 9.15%, all MIR bands
continued to provide insights for improving LULC-SUSC mapping.

3.3. WorldView-3 Land-Sea Habitat Mapping at the Class Scale

The best OA for the WorldView-3 multispectral and superspectral, deprived of and
provided with the inner topobathymetry, were further studied at the class level by compar-
ing their confusion matrices with that for the basic BGR (Figure 9).

Concerning the multispectral level, the optical dataset strongly improved the discrimi-
nation of the grass (27.7%) and wood (19.27%), as well as the road (15.93%). The coral reefs
also benefited from a better differentiation (1.2%), partly due to the decline in omission
misclassification with the offshore (−0.93%). The addition of the topobathymetric DSM
confirmed the greater distinction between previous classes (grass, 27.5%; wood, 26.27%;
and road, 19.27%), but also improved the ability to detect the roof (23.87%) and soil (8.53%)
classes. The coral reefs’ separability was also heightened (1.87%) owing to the decrease in
omission misclassification with the nearshore (−0.57%).

Regarding the superspectral degree, the optical dataset enhanced with the MIR8
empowered to distinguish grass (27.6%), wood (25.53%), roof (22.87%), road (20.03%),
and soil (14.6%) classes. The coral reefs were also better discerned (2.07%) given the
reduction in omission misclassification with the nearshore (−0.93%). The integration of the
DSM information to the optical+MIR1 dataset still upgraded the classification of the grass
(27.33%), wood (27.1%), roof (24.5%), road (20.67%), and soil (12.97%). Nevertheless, the
coral reefs’ classification remained rigorously constant (2.07%).
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Figure 8. Maximum likelihood classification maps of the land-sea coral reefscape using WorldView-3 topobathymetric
digital surface model and optical dataset with: (a) Mid-InfraRed1 (MIR1); (b) MIR2; (c) MIR3; (d) MIR4; (e) MIR5; (f) MIR6;
(g) MIR7; (h) MIR8.
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Figure 9. Confusion matrices of the percent differences between the WorldView-3 basic blue-green-red classification
validation and the best results for multispectral and superspectral combinations, deprived of and provided with WorldView-
3 topobathymetric DSM.

4. Discussion

It is necessary to bear in mind that the mapping assessment was based on the surveyed
calibration/validation rectangles (see Figure 1b). The use of a reliable and detailed ground-
truth image is important for providing a comprehensive estimation of the area, thus
preventing misclassifications detected by visual discrepancies as seen for the roof class
rectangles that were mapped into the sea.

4.1. Land-Sea Coral Reefscape Mapping with a Multispectral WorldView-3 Stereo-Imagery

Together with its predecessor the 2009 WorldView-2, the 2014 WorldView-3 remains
the state-of-the-science sub-metre spaceborne optical sensor, leveraging two extra spectral
bands in the VIS and two supplementary spectral bands in the NIR gamut, compared to all
other sub-metre competitors (see Introduction). The use of the five-band VIS and eight-band
optical data showed a greater classification performance of the land-sea coral reefscape
than did the basic BGR, namely a gain of 2.69% and 8.79%. These results are in strong
agreement with the WorldView-2 multispectral Moorea land-sea mapping project [11].

Even if the satellite-based topography, on the one hand, and bathymetry, on the other
hand, are commonly studied for sub-metre optical sensors [12,15], it is still innovative to cre-
ate satellite-based merged topobathymetry: Pleiades-1 [25], WorldView-3 [24]. The RMSE
validation accuracies of the photogrammetry-based topography and ratio-transformed
bathymetry of 1.11 m (R2 = 0.99, min = 20.26 m, max = 370.25 m, N = 12) and 0.89 m
(R2 = 0.73, min = −12.49 m, max = 0 m, N = 15), computed here, are also in concordance
with the stereo-WorldView-3 multispectral Moorea land-sea mapping [24]. Even if the to-
pographic accuracy was lower than the bathymetric one, an in-depth examination showed
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that the accuracy rapidly diminished with depth, with a break at -5 m. In contrast, the
accuracy of the altitude estimation remains constant even for higher values around 400 m.
The bathymetry modeling could be ameliorated by using more soundings from a more
recent survey, such as the topobathymetric LiDAR campaign locally operated in 2015.
Further investigation will assess the influence of various pansharpening methods on those
relief accuracies. Like the current work, this previous research highlighted that the ad-
dition of the topobathymetric DSM augmented the classification accuracy derived from
the WorldView-3 basic BGR (2.74%), VIS (5.44%), and optical (9.15%) datasets. It is worth
emphasizing that the DSM contribution:

• To the basic BGR neared the sole VIS performance (≈2.7%);
• To the VIS prediction equaled 2.7%;
• To the optical accuracy approximated 6.4%.

4.2. Land-Sea Coral Reefscape Mapping with a Superspectral WorldView-3 Stereo-Imagery

The greatest novelty of the WorldView-3 resides in the collection of the eight-band MIR
spectral bands, doubling the spectral bands of the WorldView-2 and extending the spectrum
to 2365 nm [27]. The individual contributions of the eight MIR bands all contributed to
the gain in classification accuracy of the land-sea coral reefscape compared to the basic
mapping performance, ranging from 9.47% (MIR1) to 9.58% (MIR8), through 9.57% (MIR7).
These significant inputs corresponded to a boosting of the optical (VIS+NIR) prediction,
ranging from 0.68% to 0.79%.

The topobathymetric DSM reinforced the classification accuracy derived from the
WorldView-3 optical datasets provided with the eight MIR bands. The best performances
were here ensured by the MIR1 (9.73%), then the MIR8 (9.69%), while the least gain was
attributed to the MIR3 (9.42%). Referenced to the optical dataset, the DSM therefore
ameliorated the classification of:

• 0.94% with MIR1;
• 0.90% with MIR8;
• 0.63% with MIR3.

4.3. Land-Sea Coral Reefscape Mapping at the Class Scale

As might be logically expected, the best multispectral combination relied on the full
optical dataset, from Coastal to NIR2. Relatively to the BGR discrete prediction, the discrim-
ination between grass, wood and road classes were significantly refined. These findings
might easily be explained if the NIR enhancement can capture the higher reflectance of
both the chlorophyll-laden and the tar/asphalt -made classes better than the VIS one [30].

The DSM fusion with the optical dataset strongly improved the roof and the soil
detection. This boosting was correlated with the decrease in misclassification with to-
pographically lower road and topographically higher dry vegetation, respectively. The
knowledge of the elevation component within the landscape therefore helped separate
human-made, on the one hand, and natural features, on the other hand, that are spectrally
similar in the optical range [30].

The best superspectral combination relied on the merge of the optical dataset with
the MIR8 (2295–2365 nm). The positive effect at the class scale was tangible with grass,
wood, roof, road and soil classes. Compared to the optical dataset, the roof and soil classes
were better isolated. The roof outcome might stem from the MIR8 spectral fitting with
the higher reflectance of the Polynesian roof made of oxidized-galvanized steel metal
(0.34 reflectance) than the optical one (0.19 reflectance) [30]. The soil gain might also be
due to MIR8 matching more closely with the higher reflectance (0.44) than the optical one
(0.28) (see “brown loam” in [28]). These explanations were also supported by the decline
in both roof and soil misclassifications with road, that displays a low MIR8 reflectance of
0.08 [30].

The DSM influence showed a better OA with the combination of the optical dataset
with the MIR1 (1195–1225 nm). This optimum simply reinforced its positive effect on the
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same previous classes, suggesting that the additional elevation information was relatively
redundant to this coming from the MIR.

Concerning the coral reefs, the successive integration of the optical bands and the
DSM to the BGR dataset, slightly but consistently, strengthened their detection. The
addition of the Coastal and yellow bands favoured the coral reefs’ separability among
other benthic features given the refinement in spectral signatures [11]. The benthic terrain
information was also profitable due to the robustness of the depth proxy for delineating
benthos’ ecophysiological belts [23]. In view of the neat classification of the coral reefs
along the lagoon width (Figures 5–8), further research should divide the coral reefs’ current
class according to their landscape position (fringing, barrier and outer reefs), and their
morphology (encrusting, branching, massive, tabular, columnar, etc.).

5. Conclusions

The superspectral WorldView-3 providing 16 bands, from 400 to 2365 nm, pansharp-
ened at 0.3 m, was acquired in the form of stereo-imagery. Both topographic and bathy-
metric DSMs were built using a handful of ground and sea control points, enabling us to
calibrate/validate the land-based photogrammetry and the sea-based radiative transfer
model, provided with 1.11 and 0.89 m vertical accuracy, respectively. The best superspectral
combination for enhancing the land-sea mapping of 13 habitats relied on the merging of
the optical dataset (VIS+NIR) and the MIR8, which enhanced the basic BGR classification
accuracy by 9.58%, thus reaching an OA of 98.73%. The classes that most benefited from
this were the land use “roof” and land cover “soil” classes. The “coral reefs” consisted of
the sea class that was the most favoured. The addition of the satellite-derived topobathy-
metric DSM to the optical+MIR1 was the best full combination, increasing the basic BGR
classification accuracy by 9.73%, thus reaching an OA of 98.88%. The discrimination of the
“roof” and “soil” classes was also strengthened, but the “coral reefs” remained constant.
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Abstract: Monitoring the health of coral reefs is essential to understanding the damaging impacts
of anthropogenic climate change as such non-invasive methods to survey coral reefs are the most
desirable. Optics-based surveys, ranging from simple photography to multispectral satellite imaging
are well established. Herein, we review these techniques, focusing on their value for coral monitoring
and health diagnosis. The techniques are broadly separated by the primary method in which data are
collected: by divers and/or robots directly within the environment or by remote sensing where data
are captured above the water’s surface by planes, drones, or satellites. The review outlines a new
emerging technology, low-cost hyperspectral imagery, which is capable of simultaneously producing
hyperspectral and photogrammetric outputs, thereby providing integrated information of the reef
structure and physiology in a single data capture.

Keywords: coral reef monitoring; reef health; review; hyperspectral imaging; marine optics

1. Introduction

Coral reefs are strategically important for coastal nations in tropical and subtropical
regions due to the valuable ecosystem goods and services they provide [1]. However, reef
systems are now being impacted on a global scale by a variety of conditions, namely, “coral
bleaching” [2,3], diseases [4,5], nutrient pollution [6] and algal overgrowth [7], coastal
engineering [8] and sedimentation [9], crown-of-thorns [10] and sea-urchin predation [11].
Corals are particularly susceptible to environmental changes as they have low tolerance
to variations in temperature, salinity, and solar radiation [12]. Sustained periods of stress
can lead to coral colony death, and, in some instances, to whole reef collapse [13]. This
represents a significant concern for the 275 million people who live within 30 km of these
ecosystems, and who rely on these reefs for their livelihoods and food security [14].

While coral bleaching is most commonly associated with changes in sea surface
temperature (SST) [3,15], it can also be a response to other external factors or triggers
such as ocean acidification [16], bacterial infection [17] or shading caused by extreme
turbidity [18]. The term ‘bleaching’ refers to the loss of the symbiont algal cells of the
family Symbiodiniaceae, which are normally the main provider of coral colour [19,20]. The
white or bleached appearance of the coral results from the calcium carbonate exoskeleton
becoming visible, since the coral tissue itself is translucent [19], or as a result of polyp death.

Coral disease is another of the main causes of reef degradation and has been increasing
worldwide since first studied in the 1970s in the Red Sea [21]. It has become particularly
prevalent in the Caribbean [22,23], but has also been increasingly recorded in other reef
systems such as the Great Barrier Reef [4,22,24,25]. Coral can become more susceptible to
disease due to factors such as a decline in water quality and fish stocks, heat stress and,
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more recently identified, to ocean acidification driven by anthropogenic activity [26–28].
In some cases, specific pathogens have been identified as a primary contributor [22,29]. A
diverse array of diseases have now been observed, with approximately 30 diseases and
syndromes affecting the health of 150 different species worldwide [5,30]. The term ‘disease’
is used to describe symptoms arising from a known pathogen, while ‘syndrome’ refers to
effects arising from an unknown causative agent, whether it be a pathogen, pollutant, or
climate condition such as ocean warming [19].

Visible changes associated with coral ill-health can provide a valuable metric for the
monitoring of colonies. Affected corals are frequently characterised (and named accord-
ingly) by abnormal or decreased pigmentation in compromised tissue [31]. To date, white,
brown, pink, yellow, and black line diseases have all been described [26–28,32].

Bleaching or disease is often identifiable by the absence of specific pigments in indi-
vidual corals [33–36]. These pigments have specific wavelength peaks characteristic of their
optical reflectance or fluorescence spectra. These pigments include chlorophyll-a absorption
(676 nm) [37], chlorophyll-a fluorescence (685 nm), peridinin (574 nm) [38], diatoxanthin
(607 nm) [38], and green fluorescent protein (GFP) (511 nm) [39].

The photosynthetic pigment chlorophyll-a and accessory pigments peridinin and
diatoxanthin provide a direct insight into the symbiont density [40,41]. As these pigments
are only found within the corals’ symbiotic partner Symbiodiniaceae, they provide a direct
bleaching indicator. GFP fluorescence provides different insights as it is highly responsive
to thermal fluctuations [15,42,43] and is often spectrally more distinctive, namely in its
intensity when compared to chlorophyll fluorescence [33].

This observed specificity lends itself to utilising automated image-based techniques
that can objectively quantify and monitor compromised colonies based on spectroscopic
optical measurements. Current observations by human divers are unavoidably subjective
and provide less robust and detailed data.

2. Current Optic Based Methods for Monitoring Coral Health

There currently exist many optical methods that make up the majority of coral health
assessments ranging from underwater data collection via divers or robots to remote sensing
techniques using satellites (Figure 1).

 

Figure 1. An overview of the current optical techniques from satellites to underwater systems such
as unmanned underwater vehicles (UUVs).
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There are many factors relevant to the accurate monitoring of coral reefs. These may
be biological including an abundance of coral predators, coral species composition and
distribution; chemical such as pH (acidity) or the presence of nutrients; physical parameters
such as temperature and turbidity; and socio-economic parameters such as marine protected
areas and fishing communities [44]. This review will focus on the biological parameters.

Many current reef health survey methods employ divers as ‘observers’. The advantages
of this method are that they offer a versatile set of skills for coral monitoring, being highly
manoeuvrable, adaptable, and able, with training, to deliver reasonably precise results. Ob-
servers generally record basic data such as ‘percentage cover of live coral’, which is the most
widely used metric of coral reef condition and is commonly used in studies that record coral
reef decline and recovery across local spatial scales [45]. A drawback is that such surveys
are time-consuming and so are often not able to prioritise disease identification and assess-
ment [4,23,46,47]. A standardised survey for the assessment of coral health requires detailed
examination of all coral colonies within a designated sample area (e.g., transects or quadrats),
and so also involves lengthy and expensive person-intensive field time [48].

Underwater diver-generated photographic surveys employing photo-quadrats or
video transects comprise the bulk of modern reef monitoring activities and may be used
to record the reef substrate over hundreds of square meters. Due to difficulties associated
with conducting frequent surveys over large areas by divers, there is an increasing use
of ’robotic observers’ (i.e., unmanned underwater vehicles (UUVs)) that can be used to
cover thousands of square meters [49,50]. The increased area coverage and data generation
offered by UUVs allows for the time and human effort otherwise required for physical
measurements to be better used for processing, interpretation, and analysis of the often
semi-quantitative digital data.

A major advantage of image-based surveys is that the images created provide a
permanent record of the habitat at the time they were taken. This reduces the dependency
on in-field coral experts and provides data that can be re-analysed retrospectively or
compared directly between repeat surveys. The following section describes diver-based
optical survey techniques that represent the ‘classical’ approach to coral surveyance. Many
of these techniques could readily be employed using UUVs, but as yet, have found limited
application in this manner. This is principally due to the higher costs associated with the
UUVs and the additional training required to operate them.

2.1. Diver-Based Survey Techniques
2.1.1. RGB Imaging

Digital cameras used in current photography surveys detect light in three broad colour
channels: red, green, blue (RGB), centred at approximately 660 nm, 520 nm, and 450 nm,
respectively. This enables similar images to be taken to those perceived by the human eye,
which also sees using only these RGB channels [51]. Cameras can be employed in many coral
reef surveying techniques such as photo-quadrat sampling in which quadrats are imaged
via high resolution digital cameras. This secures a visual record suitable for subsequent
laboratory analysis as opposed to manual in situ coverage estimates. Imaging thus allows
for a reduction in diver ‘bottom time’ compared with non-image based surveyance. The
advantage of laboratory analysis is that it allows for images to be run through machine
learning software such as CoralNet [38], which attempt to fully or partially automate
classification and benthic cover estimates. However, classification can only be made after
sufficient training data are provided to the algorithm [52,53]. These types of machine
learning systems are still in their infancy and, to date, can only effectively estimate the
cover of common coral genera.

Images can also be interpreted to provide rudimentary colour analysis. This yields
outputs similar to diver assessments undertaken qualitatively by eye using colour charts or
wheels. The comparison of corals against known colour hues corresponding to different
concentrations of symbionts [54] enables divers to quickly identify the extent of any coral
bleaching, though other aspects of coral health may be overlooked. Performing such sur-
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veys using traditional digital camera (RGB) images is an improvement, since the intensity
of individual colour channels can be recorded and interpreted. For example, the intensity
of red wavelengths indicates the extent of chlorophyll absorption [55]. However, the value
of the method is limited as only three broad colour bands are recorded by the camera
sensor. The method can aid in preliminary assessments of bleaching, but by the point
bleaching is RGB-detectable, typically around 70% or more of symbionts have already been
expelled [56]. A general point to remember is that these types of survey typically only
cover an individual coral colony and may not be representative of the whole reef system.
They also only provide a snapshot of an environment and cannot be extrapolated to an
understanding of the ongoing population dynamics of the whole reef system.

An emerging and more advanced utilisation of RGB imaging is via the creation of
three-dimensional (3D) reconstructions of coral systems using photogrammetry. With
recent advances in photogrammetric processing, this is now relatively quick and easy to
conduct [57]. Photogrammetry uses a set of overlapping images collected either by video or
still photography of a target area. Ideally adjacent images should have 60–80% overlap [58].
Physical parameters can be obtained from 3D reconstruction models of coral reefs such
as surface topography, estimations of rugosity and surface area as well as coral cover
and distribution [59]. Crucially, a wide range of additional information can be extracted
from the same original dataset, making it a useful analysis technique when image sets
are recorded. However, when using standard digital cameras, the method is still limited.
Resultant images are only relevant to changes in coral colour or fluorescent emissions as
detected by the three RGB channels.

2.1.2. Underwater Spectroscopic Techniques

Spectroscopic techniques can image in numerous, narrower wavelength bands across
the whole visible light spectrum and mark an improvement over simple RGB imaging. The
use of spectral data enables a more definitive discrimination between live coral, macroalgae,
and other photoactive organisms by using the specific spectral “signature” or “fingerprints”
associated with a certain organism or type of organism [60,61]. It also identifies whether
corals are displaying a decline in ‘normal health’ by measuring the relative intensity
of the spectral signatures arising from specific pigments associated with health such as
chlorophyll. This can be achieved by using reference targets to correct for incident light
variations, thereby normalising spectra so they can be compared between datasets to track
changes in pigment intensity and thus bleaching.

Underwater spectrometry can be achieved by using laboratory spectrometers enclosed
in waterproof housings with fibre optic probes to record radiance reflectance measure-
ments. The fibre optic probes are held at an orthogonal angle to the solar incidence angle,
approximately 0.5–1.0 cm from the target [36]. An accompanying reference measurement is
required to normalise for variations in ambient illumination. This is achieved by taking a
reflectance measurement from a well characterised, white Lambertian reflectance target
such as polytetrafluorethylene (PTFE) or a Spectralon (Labsphere, USA). The reference
spectrum enables a correction function to be applied to the data. Specialised spectrometers
can also be employed for certain niche applications. For example, pulse amplitude modula-
tion (PAM) fluorometers specifically look at fluorescence to determine the photosynthetic
yield. Chlorophyll density can be used to determine relative electron transport rates of
photosynthetic organisms to provide a measurement of photosynthetic efficiency [62]. This
is a measure of how well chlorophyll converts light into energy and detects compromised
tissues that are less efficient. The diving PAM I and II (Walz, Germany) are examples
of underwater fluorometers and are the most commonly used devices in studies using
this technique [3,63,64]. PAM devices do have limitations. Notably, a requirement for the
sampling optical fibre probe to be held in near contact (<5 mm) with the sampled object for
a long time (>30 s) to obtain accurate readings.

Spectrometers and fluorometers are able to generate more accurate spectral data but
also suffer from many of the same pitfalls as RGB imaging. Data acquisition is typically
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slow when used to cover a whole reef system. This is mainly due to the small sampling area
of the probes and the requirement to make point measurements. This limitation makes the
technique particularly unsuitable for large-area surveys. Additionally, multiple points are
often sampled on individual corals to obtain average spectra. However, the small number
of measurements precludes confidence that these average spectra are truly representative
of the whole organism or a whole reef system.

Conversely, spectroscopy techniques using imagers (multispectral and hyperspectral
imaging) can generate spectra for every pixel in an image within one data acquisition. This
makes the process of data collection quicker and more efficient, thereby facilitating the
collection of datasets that are more comprehensive and representative. In turn, imagers
can categorise and quantify colour. Spectral imagers generally comprise a dispersive
element (either a prism or diffraction grating) or filter, which splits or filters incoming light
into wavelengths, and an imaging detector such as a charged coupled device (CCD) or
complementary metal–oxide–semiconductor device (CMOS).

Multispectral imagers record data across multiple spectral bands, typically between
three and 15 bands [65]. Conversely, hyperspectral imaging records in hundreds of spectral
bands, which means data may be collected and processed across the whole visible and/or
near infrared spectrum with improved spectral resolution.

Previously, some multispectral systems have been deployed to assess specific marine
monitoring cases. These included determining coral fluorescence using narrow bandpass
filters [66] and filter wheel style imagers for classification via spectral discrimination [67].
Other imagers have been produced for applications such as the exploration of marine
minerals and ores [68], but are not currently being used in coral monitoring surveys [69].

Underwater hyperspectral imaging (UHI) is a relatively new, emerging technology
with limited published instances to date. Current diver operated hyperspectral systems
such as the “HyperDiver” system [70] can generate hyperspectral and traditional RGB im-
ages simultaneously capturing synchronised high-resolution digital images, hyperspectral,
and topographic data [70]. The system utilises a push-broom hyperspectral imager (Pika 2,
Resonon Inc., Bozeman, MT, USA) with a spectral range of 400–900 nm sampled at ~1.5 nm
resolution with 480 fixed bands and 640 spatial pixels [70].

Push broom or line scanning imaging methods acquire full spectral data one spatial
line at a time. The line is imaged onto the entrance slit of a spectrometer, which disperses the
light into its spectral components before reaching the sensor array. The composite image is
constructed by either moving the slit across the image plane or by moving the entire system
across the scene [71]. This is advantageous as spectral data can be gathered whilst the
imager is moving, which provides both full spectral and spatial data. Other hyperspectral
systems such as ‘Full data cube snapshot’ imagers work from fixed viewpoints, similar to
traditional RGB imagers. In this case, a push broom effect is achieved by optically scanning
a linear field of view across the hyperspectral detector within the device. The need for
a stable platform and the delicate nature of the optics involved make them generally
unsuitable for use in UHI.

UHI presents additional potential applications using an ‘objects of interest’ (OOI) iden-
tification technique, as described by Johnsen [72], which includes mapping and monitoring
of seafloor habitats for minerals or soft versus hard bottom; seafloor pipeline inspections to
determine type of material, cracks, rust, and leakage; shipwrecks (type and state of wood,
nails, rust, and artefacts); deep-water coral reefs and sponge fields for species identification,
area coverage and physiological state, and kelp forests (species identification, area coverage,
physiological state, and growth rates of benthic organisms).

Current UHI technologies (outlined in Table 1) are generally bulky systems that are
difficult to deploy and manoeuvre. For example, the “Hyperdiver” system [70] including
all its additional sensors and payloads weighs 32 kg in air. Other sensors, specifically the
tunable LED-based underwater multispectral imaging system (TuLUMIS) and ocean vision
(UHI OV), are designed to be mounted on a UUV. The UUV provides the interface system
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to operate the camera as well as a translation platform. These are not easily deployed by
a diver.

The use of UUVs does, however, eliminate the limitations imposed by diver reliance.
For example, dive surveys require substantial amounts of time as there is a finite period
a diver can spend underwater; on dives, this is usually dependent on air-tank capacity
and depth. Subsequent dives can be achieved through the use of multiple air-tanks but
ultimately, a diver will fatigue. The corresponding issue on UUV based surveys is battery
life, although multiple batteries can be used to extend the survey time. Crucially, UUVs
do not suffer fatigue and can be deployed longer than their human counterparts. A UUV
can also cover a larger distance in a shorter time. For example, a 120 m squared area
may take two scuba divers up to 2.5 h [4], equating to a surveying rate of 0.13 m2/s.
Comparatively, a low-cost remotely operated vehicle (ROV) such as BlueROV2 can achieve
survey rates of 1 m2/s. Key limitations to both divers and UUVs are repeatability and
accuracy when surveying reefs because global positioning system(s) (GPS) do not work
underwater. Acoustic transponder networks designed for UUVs create a way of translating
GPS coordinates underwater and thus improve the repeatability and accuracy by recording
accurate georeferenced data [57].

The use of UHI on UUVs is currently limited with only a few studies having been
reported. One such study [73] used a prototype UHI system for mapping the seafloor for
the automated identification of seabed, habitat, and OOI in coral reefs. Other studies [61],
specifically using hyperspectral imaging with corals, have mainly focused on coverage and
benthic discrimination with machine learning to classify corals and have not focused on
assessing health or disease. The current generation of commercially available hyperspectral
imagers are often cost prohibitive to both acquire and insure for marine studies. Conse-
quently, there exists a need for technology development and application to study marine
environments such as the surveyance of coral health.

2.1.3. The Potential of ‘New’ Underwater Hyperspectral Imagers

A new type of hyperspectral imaging technology that utilises linear variable filter(s)
(LVF) has recently emerged. A LVF is an optical filter whose bandpass windows varies
continuously across its surface [74]. LVFs allow for lower cost imagers to be produced [74].
For example, LVFs have been integrated with consumer grade digital cameras to convert
them into hyperspectral imagers [74–76]. The Bi-Frost [74] DSLR reduces the financial
burden of spectral imagers by up to 75%. Using DSLR cameras offers key advantages as
they are already well implemented in underwater photography (in both scientific and
hobbyist applications), making them affordable and accessible in both supply and use.
Non-specialised personnel can access and use the technology with relatively little training,
thus reducing dependency on highly skilled divers and marine scientists for surveying.

The Bi-Frost DSLR can be implemented in two operational modes: hyperspectral
reflectance imaging (HyRi) and fluorescence imaging (HyFi). These modes use the same
Bi-Frost DSLR with the only difference being the lighting conditions a used for imaging;
HyRi images under sunlight/white light; and HyFi under ultraviolet (UV) produced by
light emitting diodes (LEDs).

The methodology for gathering HyRi/HyFi data is similar to that of underwater
photogrammetry. A delivery platform such as a diver or UUV translates the imager across a
target scene in a single line for measurements on a colony scale, or a ‘lawn mower’ pattern
for a reef scale [77], ensuring sufficient overlap between line intersects [57] (Figure 2).

Spectral data can be extracted from the raw images generated from Bi-Frost cameras
using photogrammetric approaches. Specifically, software was developed to interface with
commercially available photogrammetric solutions (Photoscan 1.3.4, Agisoft, Russia). This
software can produce hypercubes of intensity data having three spatial and one wavelength
coordinate. In this way, its use enables the construction of 3D models with full spectral
information for each 3D surface point. The sizes of the datasets are ultimately limited by
the computing power required to run the reconstruction software. This approach generates
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camera positions in 3D space relative to the scene for each image taken. This, in turn,
allows for the accurate derivation of the correction factors needed to compensate for optical
attenuation between the source and the detector. A single survey with a HyRi system
therefore gathers spectral data (enabling for coral identification, zonation, physiological
assessments) and 3D data (reef structure, rugosity), giving it twice the value.

 

Figure 2. The survey method for the Bi-Frost DSLR hyperspectral imager can either be conducted
in a ‘lawn mower’ approach [77] for reef scale surveys or a single line pass for colony scale surveys.
To ensure sufficient coverage data, the recorded area must exceed the target survey area. Water
attenuations effects are corrected for by imaging white reference objects at various depths. These
are variable depth target calibrators (VDTCs) that comprise a series of white references at different
depths or a single white reference (only for correcting against incident light where variable depth is
not considered).

2.2. Remote Sensing Techniques

Data on coral can also be gained remotely using satellite or aerial imagery combined
with spectral discrimination. However, this approach is usually only able to discrimi-
nate between coral colour types and broad benthic communities, and not between coral
species [33]. This section describes the remote sensing techniques, which represent the
more modern approach to global coral surveyance.

2.2.1. Airborne Multi/Hyperspectral Imaging

Imaging techniques can be deployed above the water’s surface using multispec-
tral/hyperspectral imagers. These surveys primarily look at coral distribution. However,
they are limited by low spectral and spatial resolution and are only able to distinguish
between coral, algae, and sand [61]. Aerial surveys can be undertaken using light aircraft
or helicopters flying at an altitude of approximately 150 m. Aircraft and satellites can be
equipped with multispectral and hyperspectral imagers. Aircraft are able to use benthic
reflectance signatures to map the composition and condition of shallow water ecosystems in
higher spatial resolution than their satellite counterparts, albeit at the cost of lower spatial
scale [78]. In bleaching surveys, each reef is typically assigned a number from zero to four,
these categories are associated with bleaching severity. The category classifications are as
follows: CAT 0, <1% of corals bleached; CAT 1, 1–10%; CAT 2, 10–30%; CAT 3, 30–60%; and
CAT 4, >60% of corals bleached [79]. Correction algorithms are required to account for loss
of light through factors such as atmospheric scattering and the attenuation coefficient of
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water. As such, airborne surveys still require underwater ground-truthing to compare and
validate these correction procedures [80].

The spatial resolution and cost of remote hyperspectral observations can be further
improved by using unmanned aerial vehicles (UAVs). Lightweight hyperspectral cam-
eras deployed on UAVs typically produce images with a spatial resolution of around
15 cm/pixel, allowing for the identification and monitoring of individual corals [81]. In a
set period, this method can cover larger areas than diver or UUV solutions. Compared to
manned aircraft, UAVs achieve higher resolution primarily due to the lower flight altitude
(30–100 m), but at a smaller spatial scale. This technique allows for rapid data of areas of
reef for preliminary assessments. For example, a 2017 study by Queensland University
of Technology demonstrated that a UAV could photograph 40 hectares of coral reef in
approximately 30 min to enable the study of coral bleaching [82].

2.2.2. Satellite Multi/Hyperspectral Imaging

Global programs such as the Coral Reef Watch by the National Oceanographic and
Atmospheric Administration (NOAA) use satellite technology to observe and monitor reef
conditions across all visible reefs. In practice, this is mainly limited to shallow reefs that are
less than 25 m deep. Satellites are used to estimate SSTs and predict the potential extent of
coral reef bleaching [83]. Temporal data can be used to monitor the effect of SST anomalies
on coral [84]. During the warmest months of the year, often a 1 ◦C elevation above the
monthly mean maximum can be associated with bleaching events [85]. Coral Reef Watch’s
HotSpot program uses these satellite observations to provide a “Satellite Bleaching Alert”
or SBA [86]. Coral Reef Watch issues four levels of SBA for 24 reef sites in the tropics [87]
based on satellite near-real-time HotSpot levels. This provides an early warning system
for vulnerable coral reef systems determined by the change in SST from the norm. The
technique, however, is largely speculative as there is no actual data taken directly from
the corals themselves and should therefore be considered as a top-level predictive tool for
bleaching events.

The loss of pigmented Symbiodiniaceae from corals during mass bleaching events
results in an optical signal that can be strong enough for detection by remote sensing
satellites in low-Earth orbit. Multispectral satellite systems such as the Landsat satellites
allow the surveys to cover vast areas quickly with around 30,000 km2 acquired in a 5-h
period, with a spatial resolution of 30–60 m [88]. Other satellites such as the European
Space Agency’s Sentinel-2, are able to capture data with a 290 km field of view with spatial
resolution varying from 10 m to 60 m depending on the spectral band [89].

Satellites equipped with multispectral cameras are able to provide data on coral
conditions as outlined below.

The Landsat Thematic Mapper (TM) carried by Landsats 4 and 5 has mapped the
geomorphology of Australia’s Great Barrier Reef [90]. Landsat TM and Enhanced Thematic
Mapper Plus (ETM+) have also been used to monitor changes in groups of coral reefs [91].
More recently, a detailed survey of the geological features and spectral characteristics of
reefs near the Nansha Islands in the South China Sea was conducted using the Landsat
8 operational land imager (OLI) [92]. Specialised, marine focused remote sensors have
also been deployed. In 2009, the Hyperspectral Imager for the Coastal Ocean (HICO)
was installed on the International Space Station [93]. HICO focused on selected coastal
regions and imaged them with full spectral coverage (380 to 960 nm sampled at 5.7 nm
intervals). During its five years in operation, HICO collected over 10,000 scenes from
around the world [94], collecting data on water clarity, bottom types, bathymetry, and
on-shore vegetation maps.

Both airborne systems and instruments deployed in low-Earth orbit provide the
ability to conduct large area reconnaissance of coral reef health, albeit with a relatively
poor spatial resolution. These systems can image most global shallow reefs but are depth
limited and struggle to map deeper reefs [95] whereas light absorption precludes the
recognition of features below a critical depth threshold of approximately 20 m water depth,

258



Oceans 2022, 3

dependent on water clarity [96,97]. Any spectral data taken above the water’s surface
require a correction for the attenuation of light through the atmosphere and the water,
which are wavelength specific. These corrections vary due to daily conditions and water
types, each producing variability of the spectral diffuse attenuation coefficient in coral reefs
and adjacent waters [98]. Again, ground truthing is required to validate the spectra used
for these corrections.

2.3. Limitations of Non-Invasive Monitoring

As outlined previously, a variety of data can be collected using these different methods
of assessment to indicate coral ‘health’. Each technique generally gives multiple metrics
that can be used, as summarised in Figures 3 and 4.

Figure 3. Diver image based techniques and examples of the types of data produced from the
main techniques.

Figure 4. The types of data from each type of spectral system at the different levels from satellites to
underwater systems. Images from the Jet Propulsion Lab (JPL) (2020) and Eric J. Hochberg, Bermuda
Institute of Ocean Sciences. UUV: Unmanned underwater vehicle.

The use of spectral techniques to look at other parameters such as distinguishing
between coral species and identifying diseases and bleaching suffers from limiting factors
that include phenotypic plasticity in the host, differing symbiont pigment compositions [99],
and changing physical parameters of the water column [100] such as turbity.
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In order to derive meaning from colour and its relation to bleaching, bar a simple
presence vs. absence, the exact symbiont density and chlorophyll-a content needs to be
quantified to link to their corresponding wavelengths. Unfortunately, this procedure is
destructive. Typically, whole corals or tissue samples are removed for laboratory anal-
ysis. Coral health is assessed based on the composition of extracted Symbiodiniaceae
and chlorophyll content [101]. Laboratory bleaching experiments allow links to be made
between the effects of bleaching and pigment intensity. These experiments link the levels
of symbiont density to spectral peaks and approximate the stage of bleaching that can be
determined using in situ hyperspectral imagery [33]. Effective coral monitoring in this way
can thus become a victim of itself; effective identification in a plethora of sites featuring
the signatures of coral bleaching creates an insurmountable requirement for downstream
laboratory based truthing.

Nevertheless, as outlined in Tables 2 and 3, the techniques described have many
features that contribute to their overall suitability for coral monitoring including cost, spatial
scale, spectral resolution, and any additional data taken alongside sample acquisition. The
choice of instrumentation is normally governed by research requirements [102,103]. The
cost of the instrumentation is often the most prohibitive factor in the adoption of improved
sensing strategies. For instance, to determine the global extent of coral bleaching, airborne
and satellite imagers are best suited despite their cost and problems assessing deep reefs.
However, as stated, ground truthing data would be required to validate and correct for
atmospheric and aqueous attenuation correction algorithms. For in situ surveys that require
high spectral resolution, an underwater hyperspectral system is best suited. This provides
the desired spectral resolution at a non-prohibitive cost whilst simultaneously gathering
related supporting measurements (see Table 4).

Therefore, the choice of the underwater spectroscopy tool is also crucial. Each imaging
technique has a number of defining qualities and trade-offs regarding spectral range,
resolution, scale of operation, depth rating, and cost. These determine their suitability and
effectiveness in any given situation.

Looking towards the future, new spectral tools will likely emerge to address these
issues. A range of underwater imagers identified by Liu (2020) [69] (Table 1) were compared
as well as the new “Bi-Frost” digital single-lens reflex (DSLR) hyperspectral camera system
presented in Section 2.1. Whilst spectral performance and cost are key factors, other consid-
erations should be considered. Of particular importance are how the device is interfaced
and how portable it is.

Table 1. A comparison of the selection of underwater spectral imaging systems as outlined by
Liu et al., 2020 [69] including the HyRi/HyFi ordered by cost.

Model Developer
Spectral

Range/Bands
Resolution Spatial Imaging Depth Rating Cost (£) Notes

Bi-Frost DSLR Bristol
University 339–789 nm/192 18 nm@450 nm Push-broom 60 m ~5000

TuLUMIS Liu et al.,
2018 [104] 400–700 nm/8 >10 nm Staring array 2000 m ~5210.00 ($6730) UUV mounted

HyperDiver Chennu et al.,
2017 [70] 400–900 nm/480 1.5 nm Push-broom 50 m ~20,040 (22,000 €) Air weight

~32 kg

LUMIS 2 Zawada et al.,
2010 [105]

460,522,582,678
nm/4 12.0–42.1 nm Staring array 20 m ~46,470 ($60,000) 4 imagers used

U185 Cubert Gmbh 450–950 nm/125 8 nm @ 532 nm Snapshot 5 m ~49,850 (54,900 €)

WaterCam Sphere Optics 450–950 nm/138 8 nm @ 532 nm Snapshot 5 m ~49,850 (54,900 €)

UMSI Wu et al.,
2019 [106] 400–700 nm/31 10 nm Staring 50 m ~56,170 ($72,800)

UHI OV Ecotone 380–750
nm/150–200 2.2–5.5 nm Push-broom 2000 m ~57,800 ($75,000) UUV mounted

LUMIS: Low-light-level underwater multispectral imaging system; UMSI: Underwater spectral imaging system;
HyRi/HyFi: Hyperspectral reflectance/fluorescence imager; TuLUMIS: Tunable LED-based underwater multi-
spectral imaging system; UHI OV: Ocean Vision (costs derived from manufacturers quotes with exchange rate
applied on 8 October 2020.
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Table 2. Optical techniques rated by cost, spatial scale, spatial resolution, and additional data gathered.

Technique Cost Spatial Scale Spatial Resolution Additional Data Gathered Notes

RGB imaging
(Based on GoPro) Very Low Moderate Very High Photogrammetry Limited spectral

data obtained

Spectrometers
(Waltz Diving PAM) Moderate Very Low Very High N/A N/A

Bi-Frost DSLR Low Moderate Very High Photogrammetry,
Fluorescence (HyFi)

Night-time imaging
required for
Fluorescence

Current UHI systems
(See Table 4) Moderate to High Moderate Very High to

Moderate N/A

Often large and
cumbersome or

designed specifically
for UUVs

Drone multi/hyperspectral
imaging [81] Moderate to High Moderate Moderate N/A Requires Ground

truthing

Aeroplane
multi/hyperspectral imaging

[61,107]
High High Moderate to Low N/A Requires Ground

truthing

Satellite multi/hyperspectral
imaging [108] * Very High Very High Low to Very Low

SST, RGB images
(Dependant on additional

sensors equipped)

Requires Ground
truthing

HyFi: hyperspectral fluorescence imaging, UUV’s: unmanned underwater vehicles, SST: Sea surface temperatures.
* Based on total cost of building and launching into orbit.

Table 3. Guide to rankings for each classification outlined in Table 2.

Classification Cost Spatial Scale Spatial Resolution

Very Low <£1000 mm–cm km
Low <£5000 m <100 m

Moderate <£10,000 <100 m <10 m
High >£25,000 km m

Very High >£100,000 100+ km mm-cm

Table 4. An outline of the ability of the different optical techniques to assess important criteria used
in coral surveyance as outlined by Leujak and Ormond, 2007 [103].

Criteria RGB Imaging Spectrometers Bi-Frost DSLR
Drone

Multi/Hyperspectral
Imaging

Aeroplane
Multi/Hyperspectral

Imaging

Satellite
Multi/Hyperspectral

Imaging

Damage
(Disease/Bleaching) Yes Yes (Local Scale) Yes Yes Yes (Mass Scale) Yes (Mass Scale)

Recruits Yes (modified
camera) No Yes (HyFi) No No No

Number of Colonies Yes No Yes Yes Yes (Height
Dependent) No

Growth
Measurements Yes No Yes No No No

Repeatability * No No Yes (Reef Scale) Yes Yes Yes

* Repeatability was defined as the possibility of returning to exactly the same sampling unit in future monitoring.

3. Concluding Remarks

Current optical monitoring methods use a range of different approaches to answer the
overly simplified question of ‘Is this coral reef healthy?’. Due to coral reefs being physically
and ecologically complex ecosystems, each technique offers a different piece of the puzzle,
shedding light on parameters pertaining to overall reef health and status.

The Earth’s coral reefs face a difficult and challenging future. If they are to survive
the impending onslaught, effective monitoring and assessment will be fundamental to
aiding in their recovery. A wealth of technological know-how is already being applied
to study coral reefs from the colony to global scale. Consequently, our understanding
of the problem and its severity continues to improve. New tools are being developed to
help facilitate all survey requirements across all scales. On the larger scale, satellites and
aerial multispectral/hyperspectral imaging provide the greatest spatial coverage with the
trade-off of reduced spatial resolution. For colony or reef scale surveys, HyRi can produce
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high spatial resolution but cannot replace remote systems. Rather, it is a tool to complement
these assessments and provide ground truth data to look at environments in closer detail.
The use of in situ imagers also enables areas to be studied where aerial imaging is not
applicable such as deep reefs or reefs with complex structures (i.e., steep reef faces/walls
and overhangs). Aerial based imaging is unsuitable for deep coral studies, but tends to
work best in mapping shallow lagoons and reef flats as these are within the depth threshold
for this type of imaging (20 m) [96].

In the near future, Bi-Frost DSLRs are predicted to be a powerful new addition in the
diagnostic toolbox for coral health. The benefits of enabling rapid non-destructive and
repeatable measurements [33] address many of the shortcomings of the current generation
of UHI instruments. The 3D data obtained with a Bi-Frost DSLR can be used in many ways,
making this single tool capable of recording data for several different diagnostic needs
from health to population surveys.
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