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Highlights
*nAu can inhibit or promote growth and chlorophyll a content of P. subcapitata.

*No significant cellular effects were observed except at 1 mg/L for 5 nm BPEI.
*nAu induced genotoxic effects to algae although none apparent at cellular level.

*Under chronic exposure a reverse on nAu-induced genotoxic effects may occur.

nAu is a potential genotoxic nano-pollutant for algae.

Abstract

Gold engineered nanoparticles (nAu) are increasingly detected in ecosystems, and this raises the
need to establish their potential effects on aquatic organisms. Herein, cytotoxic and genotoxic
effects of branched polyethylenimine (BPEI)- and citrate (cit)-coated nAu (5, 20, and 40 nm) on
algae Pseudokirchneriella subcapitata were evaluated. The apical biological endpoints: growth
inhibition and chlorophyll a (Chl a) content were investigated at 62.5-1000 pg/L over 168 h. In
addition, the apurinic/apyrimidinic (AP) sites, randomly amplified polymorphic deoxyribonucleic
acid (RAPD) profiles, and genomic template stability (GTS) were assessed to determine the
genotoxic effects of nAu. The results show algal growth inhibition at 5 nm BPEI-nAu up to 96 h,
and thereafter cell recovery except at the highest concentration of 1000 pg/L. Insignificant growth

reduction for cit-nAu (all sizes), as well as 20 and 40 nm BPEI-nAu, was observed over 96 h, but

! Corresponding author: email: ndeke.musee@up.ac.za or museen2012@gmail.com

1



growth promotion was apparent at all exposures thereafter except for 40 nm BPEI-nAu at 250
png/L. A decrease in Chl a content following exposure to 5 nm BPEI-nAu at 1000 pg/L
corresponded to significant algal growth reduction. In genotoxicity studies, a significant increase
in AP sites content was observed relative to the control — an indication of nAu ability to induce
genotoxic effects irrespective of their size and coating type. For 5 nm- and 20 nm-sized nAu for
both coating types and exposure concentrations no differences in AP sites content were observed
after 72 and 168 h. However, a significant reduction in AP sites was observed following algae
exposure to 40 nm-sized nAu (irrespective of coating type and exposure concentration) at 168 h
compared to 72 h. Thus, AP sites results at 40 nm-size suggest likely DNA damage recovery over
a longer exposure period. The findings on AP sites content showed a good correlation with an
increase in genome template stability and growth promotion observed after 168 h. In addition,
RAPD profiles demonstrated that nAu can induce DNA damage and/or DNA mutation to P.
subcapitata as evidenced by the appearance and/or disappearance of normal bands compared to
the controls. Therefore, genotoxicity results revealed significant toxicity of nAu to algae at the
molecular level although no apparent effects were detectable at the morphological level. Overall,
findings herein indicate that long-term exposure of P. subcapitata to low concentrations of nAu

may cause undesirable sub-lethal ecological effects.

Keywords: Genomic template stability, RAPD, apurinic/apyrimidinic sites, Pseudokirchneriella

subcapitata, gold engineered nanoparticles
1. Introduction

Increasing use and applications of engineered nanoparticles (ENPs) in commercial products (e.g.,
cosmetics, paints, medical devices, packaging, catalysts, etc), and their subsequent emission into
the environment necessitates an understanding of their potential effects on aquatic biota (Klaine et
al. 2008; Scown et al. 2010; Chatel and Mouneyrac 2017). Among priority ENPs for immediate
toxicity testing are gold ENPs (nAu) (OECD, 2010) as they are widely used in consumer products
and industrial applications (Piccinno et al. 2012; Hansen et al. 2016). For example, to date there
are numerous applications of nAu in various fields such as biomedical imaging and detection
(Copland et al., 2004; Jiang et al., 2006), cancer diagnostics and therapy (EI-Sayed et al., 2005),

catalysis (Thompson 2007). This is attributed to their relatively simple surface functionalization



(Bodelon et al., 2017). However, nAu are among the least studied for their potential negative
environmental effects (Chen et al., 2015), especially genetic effects on aquatic biota (Mahaye et
al., 2017). Only a handful of studies have linked the physicochemical properties of ENPs (e.g.,
size, surface coating) to the observed genotoxicity in aquatic organisms (Mahaye et al., 2017). nAu
have a wide range of sizes and coatings, which could affect their interactions with the environment
or with biological structures and, thus, modify their toxic effects (Vales et al., 2020). For various
biological applications e.g., cancer therapy, nAu are generally coated with different polymers e.g.,
branched polyethylenimine (BPEI), citrate (cit), etc., to reduce aggregation and/or dissolution and
to maintain ENPs’ desired properties (Anantha et al., 2011). However, the chemistry of ENPs’
coatings can influence the chemical and biological activities of ENPs once they are released into
the aquatic environment (Perreault et al., 2012; Qiu et al., 2015; Kim et al. 2016; Mahaye, 2019,
Sen et al., 2020). For example, Perreault et al., (2012) observed that polymer-coated nCuO were
more toxic to the algae Chlamydomonas reinhardtii compared to uncoated nCuO due to increased
membrane permeability. Qiu et al., (2015) observed coating-dependent gene expression patterns
from negatively charged mercaptopropionic acid (MPA) and polyallyamine hydrochloride (PAH)-

coated nAg to Shewanella oneidensis and Daphnia magna.

To date, studies on the toxicological outcomes of ENPs on aquatic organisms including fish (Qiang
et al., 2020), crustaceans (Danabas et al., 2020), higher aquatic plants (Thwala et al., 2016), and
algae (Sendra et al. 2017; Ghazaei and Shariati 2020) have focused broadly on morphological- and
physiological-level effects (Kahru and Dubourguier 2010; Chen et al., 2015; Mahaye et al., 2017).
For example, algal morphological endpoints such as growth rate (Gao et al. 2016; Chen et al.
2018), biomass (Angel et al. 2015; Aruoja et al. 2015; Sendra et al. 2017; Kleiven et al. 2019), and
chlorophyll content (Chen et al. 2012; Ghazaei and Shariati 2020) are well documented. However,
in the absence of genetic endpoints e.g., DNA damage, chromosomic aberrations, chromosome
damage, and loss, among others (Mahaye et al. 2017) they offer limited insights on the effects of
pollutants to target organisms (Oberholster et al. 2016).

Molecular studies are essential for assessment of ENPs impact on aquatic biota, especially at very
low environmentally relevant concentrations (ng/l to ug/l) in as shown in both modeling (Musee,
2011, Caballero-Guzman and Nowack 2018), and experimental (Peters et al. 2018; Zhao et al.,

2020) studies. For example, nAu concentrations detected in the environment by Béuerlein et al.,



(2017) ranged from 0.13 to 0.25 pg/L. At these concentrations, effects to aquatic organisms may
not be apparent at the morphological level, but may induce sub-lethal effects, including DNA
damage with far-reaching ecological implications. For example, de Alteriis et al. (2018) reported
DNA damage following exposure of Saccharomyces cerevisiae to 50 pug/L nAu, but no growth
inhibition was apparent. DNA damage was observed without lactate dehydrogenase (LDH)
leakage following exposure of zebrafish to titanium dioxide ENPs (nTiO2) (Bayat et al. 2015). In
addition, 1, 10, and 100 mg/L nTiO2 exposure induced DNA strand breaks in Piaractus
mesopotamicus with neither mortality nor abnormal behavioural symptoms being observed
(Clemente et al., 2013). These studies suggest ENPs can exert damage to current populations at
sub-lethal levels, with likely transfer of mutagenic effects to subsequent generations (Bolognesi
and Hayashi 2011; Deavaux et al. 2011). This, in turn, can alter ecological functions (Bolognesi
and Cirillo 2014) e.g., organisms’ development, growth, and reproduction (Ginebreda et al., 2014)
with consequent lack of food sources for higher organisms, and imbalances within a given

ecosystem.

To fully understand the mode of ENPs’ toxicity, genotoxicity data can offer valuable insights when
used together with higher level cellular biological response data (e.g. growth) (Demir et al. 2014;
Amaeze et al. 2015; Golbamaki et al. 2015; Koehlé-Divo et al. 2018). It is with this understanding
that the Organisation for Economic Co-operation and Development (OECD) recommended
genotoxicity assessment of ENPs for regulatory and risk assessment purposes (Nanogenotox,
2013; ANSES, 2014); however, to date, only limited data have been reported for aquatic biota
(Mahaye et al., 2017) unlike in mammalian systems (Magdolenova et al. 2014; Golbamaki et al.
2015; Samadian et al. 2020).

Random amplified polymorphic deoxyribonucleic acid by PCR (RAPD- PCR) analysis is one of
the reliable genotoxicity methods that can screen for changes in DNA profiles, and evaluate
genomic instability. Key advantages of RAPD-PCR include exclusion of prior knowledge for the
genome, use of short primers (10 bp sequence) unlike Real Time-PCR, the ease and efficiency in
detecting subtle changes in genomic DNA (Manna et al 2017). Several studies have applied RAPD-
PCR to determine the genotoxicity of ENPs to aquatic biota e.g., bacteria (Amjady et al. 2016;
Zalgska-Radziwilt and Doskocz 2016), mussel (Rocco et al. 2015b), and fish (Geffroy et al. 2012;

Rocco et al. 2015a). Due to the link between the formation of abasic (apurinic/apyrimidinic) AP
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sites and DNA damage, evaluation of AP sites content may provide a measure of mutagen-induced
DNA damage (Boturyn et al., 1999). In brief, AP sites arise in DNA at a significant rate by
spontaneous base loss (depurination) due to oxidative DNA damage (Demple and Harrison, 1994,
Feng et al. 2019). The presence and size of AP sites signal the extent of DNA damage, which if
unrepaired, may eventually lead to cell death (Loeb and Preston 1986; Seiple et al. 2008, Feng et
al. 2019). This assay has been used to investigate the role of trehalose in persister formation in E.
coli (Kuczynska-Wisnik et al., 2015). Findings showed that the lack of trehalose in the DotsA
mutant resulted in oxidative stress, manifested by increased membrane lipid peroxidation after
heat shock. The AP sites assay merits in genotoxicity are well established (Kuczynska-Wisnik et
al., 2015; Jang et al., 2017; Wang et al., 2018), however, to the authors’ knowledge it has not been

applied for ENPs’ environmental effects assessment.

Despite limited data on genetic biomarkers of ENPs, for example, to algae; evidence demonstrates
they can aid to identify potential risks of bulk chemical pollutants in aquatic systems with resultant
desirable outcomes including the protection of the human health (Oberholster et al. 2016).
Therefore, we hypothesize that nAu may induce genotoxicity in algae even in cases where no
biological effects are apparent at the morphological level. The aim of the study is to assess nAu
induced genotoxicity on the freshwater green algaePseudokirchneriella subcapitata using RAPD-
PCR and AP sites analysis. The specific study objectives entailed assessing the influence of: (i)
low and close to environmental relevant but detectable nAu concentrations (62.5-1000 pg/L), (ii)
physicochemical properties of nAu (e.g. size, and surface coating), and (iii) assessment of the
linkage between cellular and molecular level toxicological outcomes. Algae were chosen as
exposure organism because they play a significant role as primary producers and forms the basis
of all food chains (Sadiq et al. 2011), has short generation time and is highly sensitive to pollutants;
hence, serves as an excellent aquatic model organism for ecotoxicity assessments (Ji et al. 2011;

Chen et al. 2012).
2. Materials and Methods
2.1 Characterization of nAu

Commercial citrate (cit)- and branched polyethylenimine (BPEI)-coated nAu each sized 5, 20, and

40 nm were purchased from Nanocomposix (San Diego, United States). Size and morphology were
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previously characterized and reported elsewhere (Mahaye, 2019). Aggregation kinetics of nAu in
10% BG-11 algal media (Slabbert, 2004) was determined by measuring the hydrodynamic
diameter (HDD) and zeta ({) potential using dynamic light scattering (DLS; Malvern Zetasizer
Nano ZS, Malvern Instruments, UK) over 72 h.

2.2 Pseudokirchneriella subcapitata

The Algaltoxkit F™ kit (MicroBioTests Inc., Gent, Belgium) was purchased from ToxSolutions
(Johannesburg, South Africa). De-immobilization of P. subcapitata from the beads in the kit was
performed according to the manufacturer’s instructions (detailed method provided in SI-1).
Further, chemicals used to prepare 10% BG-11 algal media, reference tests aimed to ascertain the
sensitivity of algae growth as well as the algal growth and chlorophyll a (Chl &) content effects of
ENPs are described in sections SI-2 to S1-4, respectively.

2.3 Genotoxicity of nAu to P. subcapitata

To carry out genotoxicity studies, exponentially growing P. subcapitata were exposed to three
nAu concentrations (62.5, 250, and 1000 pg/L) over 168 h as described in SI-1. Herein, P.
subcapitata exposures to nAu were done following the standard algal test of 72 h (Slabbert, 2004;
OECD 201), or 96 h (US EPA, 1978, 1989). Moreover, the exposure time was increased to 168 h.
This was to gain insights on whether likely damage at the molecular level is permanent or recovery
may occur over an extended period. Standard US EPA flask test method (US EPA, 1978, 1989)
was found to generate inadequate biomass for genotoxicity analysis as it requires 10 000 cells/mL
as initial inoculum. To generate sufficient biomass for genotoxicity analysis, the Direct Estimation
of Ecological Effects Potential (DEEEP) toxicity testing protocol was used (Slabbert, 2004) as it
requires an inoculum of 200 000 cells/mL which gives an adequate biomass for DNA damage
analysis. For negative controls, exposures for algae were without nAu. All experiments were done

in triplicates.
2.3.1 DNA isolation and visualization

After exposing P. subcapitata to nAu over 72 and 168 h, algal DNA was extracted using the
MasterPure™ DNA purification kit (Epicentre, USA) following the manufacturer’s instructions.

Importantly, three minor modifications were made. These entailed, first, sample incubation was
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increased from 15 min to 30 min at 65 °C to improve cell lysis. Secondly, 1 uL was increased to
3 uL RNase cocktail to increase the efficiency of cell lysis, and finally, an additional 1 h incubation
step at -20 °C was done after the addition of isopropanol to improve DNA precipitation. DNA
precipitation and purification were done in accordance with the prescribed manufacturer's
protocol. DNA purity (OD260/OD2so) and concentration (ng/pul) were determined using a
Nanodrop 2000 Spectrophotometer (Thermo Scientific, US). The ratio of OD260/ODa2so > 1.7
denotes contaminant-free DNA, and < 1.7 signifies the presence of contaminants (Barbas et al.,
2007). Three-puL of the extracted DNA was separated using 1.5% ethidium bromide-stained
agarose gel dissolved in 1 X TAE buffer (Tris-acetate-EDTA buffer, pH 7.5) at 90 mV for 45 min.
And thereafter, DNA visualization was done using a UV transilluminator (Bio-Rad, USA).

2.3.2 DNA amplification

In this study, four 10-base pairs RAPD primers, namely; OPA9 (5'-GGGTAACGCC -3"), OPB10
(5'-CTGCTGGGGAC-3"), OPB1 (5-GTTTCGCTCC-3'"), and OPBI14 (5-TCCGCTCTGG-3")
were initially tested for RAPD-PCR. This is because these primers have been previously applied
in genotoxicity studies, including algal studies (Atienzar et al., 2002; Nyati et al., 2013). However,
herein only two primers showed stable results as well as greater reproducibility and were selected
for this study, viz.: OPB1 and OPBI14. Primers were purchased from Inqaba Biotechnical
Industries (Pty) Ltd (South Africa). The first experimental phase entailed preliminary studies
aimed to optimise reagent(s) volumes, and more details are provided in SI-5. For example, the
primer and DNA volumes were increased to enhance the DNA-primer binding and to obtain clearer

bands (SI-5).

Amplification was performed in 25 pL reaction volumes consisting of 1 pL primers, 6 pL
deionized water (DIW), 2.5 uL bovine serum albumin (BSA), 12.5 pL ready mix, and 3 pL
genomic DNA using a PCR thermocycler (T100™ Thermal Cycler, Bio-Rad, Singapore). For the
negative control, no genomic DNA was added. Further, amplification using the RAPD primers
was carried out under the following conditions: warming step at 94 °C for 5 min, 40 cycles of
denaturation at 94 °C for 45 s, annealing (46.8 °C for OPB1 and 44.3 °C for OPB14) for 30 s,
extension 68 °C for 1 min, and a final extension at 68°C for 10 min. The amplified products were

kept at 4 °C until gel electrophoresis analysis was performed. Bands were separated on a 1.5%



ethidium bromide-stained agarose gel at 80 mV for 2 h and then visualised using a UV
transilluminator (Bio-Rad, USA). A 10-kb universal DNA Ladder (Kapa Biosystems, South
Africa) was used as the molecular weight standard. RAPD data analysis was performed by
comparing the PCR product profiles for treated and control samples. The GTS% was calculated

using the expression (Atienzar et al. 2002):
a
GTS% = (1—=) * 100 ()
n

where a is the average number of RAPD polymorphic bands detected in ENPs-treated samples,
and n is the total bands in the controls. Polymorphisms in RAPD profiles include deletion of a
normal band and induction of a new band in comparison to the control RAPD profiles. GTS% of
ENPs-treated samples was calculated, and changes of genomic stability were expressed as a

percentage of controls set to 100%.
2.3.3 Detection of AP sites content

DNA lesions were investigated using the DNA Damage—AP site—Assay Kit (ab211154:
Colorimetric, Biocom Africa) in accordance with the manufacturer’s instructions. The assay uses
an Aldehyde Reactive Probe (ARP) designed to specifically react with an aldehyde group on the
open-ring form of AP sites. This was followed by colorimetric detection with a sensitivity range
of 4-40 AP sites per 1 x 10° base pairs (bp). AP sites content was determined by comparing the
absorbance (at OD4s0) between treated and untreated samples with a standard curve generated by

the DNA standards containing predetermined AP sites.
2.4 Data Analysis

All data herein are presented as mean + standard deviation (SD). Differences between exposure
treatments were tested by analysis of variance (ANOV A) using GraphPad Prism V7.04 (GraphPad
Prism Software Inc., La Jolla, USA). Differences between samples were considered statistically
significant when p < 0.05. The 72-h ECso values were calculated using Algaltoxkit Data Treatment
spreadsheet (MicroBioTest inc., Belgium).



3. Results and Discussion
3.1 Nanoparticles characterization

Cit- and BPEI-nAu had mixed morphologies with spheres being more predominant compared to
rods and pentagon shapes (Figure Sla-f) (Mahaye, 2019). The HDD results indicated the
aggregation of nAu in 10% BG-11 media over 72 h (Figure 1a, c¢). Both 5 and 20 nm-sized cit- and
BPEI-coated nAu showed significant increases of HDD over 72 h compared to 40 nm-sized ones.
However, cit-coated nAu had higher aggregate sizes compared to BPEI-coated ones irrespective
of exposure duration (Figuresla, c). Conversely, 40 nm BPEI-nAu had no significant changes in
HDD over the exposure period compared to cit-coated nAu (Figure 1c). This suggests that the 40
nm BPEI-nAu were stable in 10% BG-11 media, and these results are similar to previous findings

(Iswarya et al. 2016; Chen et al. 2019).

Irrespective of coating type, all nAu had negative (-potential in 10% BG-11 media (Figure 1b, d).
No marked differences in {-potentials were observed and within a narrow range of -5 to -14 mV.
These (-potentials were considered too low relative to £ 30 mV known to stabilize ENPs
suspensions (O'Brien and White, 1978; Hitchman et al., 2013; Lowry et al., 2016). Hence, the low
C-potentials may account for nAu instability in 10% BG-11 media. The {-potential and HDD
results indicated that coating had an influence on nAu stability as cit-nAu were less stable
compared to BPEI-nAu. The BPEI-coated nAu were more stable likely due to high steric
hindrances, and a large number of functional groups e.g., amino groups compared to the cit-coated
ones (Cao et al., 2015; Liu et al., 2016). Similarly, in earlier works, BPEI coating was observed to
induce higher stability of nAu under a physiological isotonic medium (phosphate-buffered saline)

(Cho et al., 2019).
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Figure 1: HDD (a, c), and { potentials (b, d) for nAu at 1000 pg/L in 10% BG-11 algal media
measured using DLS over 72 h. Data are presented as mean (n = 3), bars denote standard deviations
(SD), and different symbols denote significant differences (p < 0.05) between nAu sizes per time

period. nAu concentrations < 1000 ug/L. were below detection limit using Zetasizer.
3.2 Effect of nAu on P. subcapitata growth

Results of differently coated- and sized-nAu demonstrated induction of algal growth inhibition
following exposure for up to 96 h, and growth promotion (hormesis effect) post 96 h (Figure 2).
Growth inhibition was observed for 5 nm-sized nAu (irrespective of coating type) post 24 h up to
about 96 h (Figures 2 a, b); but induced growth promotion after 96 h. However, at the highest
exposure concentration of 1 000 pug/L, a decrease in cell density compared to the control was
apparent over 168 h for 5 nm cit-( p > 0.05), and 5 nm BPEI-nAu (p < 0.05). At higher nAu sizes
of 20 and 40 nm (irrespective of coating type), insignificant growth reduction was observed for 96

h exposures (Figures 2 ¢ —f). In addition, insignificant growth promotion (p > 0.05) was observed
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irrespective of exposure concentration after 96 h (Figures 2 ¢ —f); except for 40 nm-sized BPEI-
nAu at 250 pg/L (Figure 2f)-where growth inhibition (p > 0.05) was apparent over 168 h. Overall,

findings herein indicate that the effects of nAu on algae were size- and coating type-dependent.

The ECso for 5 nm BPEI-nAu to P. subcapitata was 980 pg/L, but could not be calculated for other
nAu types as growth inhibition did not reach 50% in addition to growth promotion induced post
96 h. These findings are similar to those reported by Dédkova et al., (2014) where growth
promotion was observed on P. subcapitata exposed to polyvinylpyrrolidone (PVP) coated-nAu
(43.67 nm) at 5 — 80 pg/ for 72 h. Surface coating exerts a significant influence on ENPs
interactions with algae (Kalman et al. 2015; Zhang et al. 2020), and therefore, the resultant
toxicities are coating type- and form-dependent (Musee et al., 2020). For example, exposure of
Chlorella vulgaris to PVP- and cit-coated nAg exhibited similar toxicity (ICso: 9.3 and 9.2 mg/L,
respectively) compared to polyethylene glycol (PEG)-nAg (ICso: 49.3 mg/L) (Kalman et al. 2015).
Further, exposure of C. vulgaris to 20 nm BPEI- and cit-coated nAg revealed the uptake rate
constants of BPEI-nAg were ~20 times higher relative to cit-nAg, and BPEI-nAg were more
effectively bioaccumulated than cit-nAg (Zhang et al. 2020). These findings together with our

current results indicate the significant role of surface coating play on the effects of ENPs on algae.
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3.3 Effect of nAu on P. subcapitata chl a content

For 5 nm cit-, 20 nm cit- and 20 nm BPEI-nAu, photosynthetic pigments (expressed as Chl a
content) were not significantly different from the controls irrespective of the exposure
concentration (Figures 3a, b, e). For both 40 nm-nAu, a significant time-and concentration
dependent reduction in Chl a content was observed. There was a significant decrease in Chl a
content at 168 h compared to 72 h at 62.5-1000 pg/L for 40 nm cit-Au (Figure 3 ¢) and at 500-
1000 pg/L for 40 nm-BPEI-Au (Figures 3f). In contrast to growth inhibition observed at 72 h
(Figure 2e), significant Chl a content promotion was observed compared to the controls for 40 nm
cit-Au (Figure 3c). Chl a content promotion was likely due to the conversion of other forms of
pigments (e.g., Chl b content) to Chl a content as a response to reactive oxygen species (ROS)
following exposure to ENPs (Chen et al., 2012). The decrease in Chl a content following exposure
to 5 nm BPEI-nAu at 1 000 pg/L (Figure 3d) corresponds with significant algal growth reduction
(Figure 2b). Notably, high agglomeration observed for 5 nm BPEI-nAu (HDD = 760 + 293 nm at
0 h) may have not resulted in a reduction on both surface reactivity and toxicity effects of smaller-
sized ENPs. Previously, aggregation did not impede the deleterious effects of ENPs to target
organisms (Zakharova et al. 2019). For example, agglomerated nZnO were observed to induce
antibacterial effects as their surface activity remained effective (Zakharova et al. 2019). Further,
nAu agglomerates were observed to have a shielding effect on algal cells linked to the physical

restraint of photons, and thus, inhibiting photosynthesis (Van Hoecke et al. 2009).
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3.4 Genotoxicity studies

Cytotoxicity studies results did not reveal marked differences between the controls and exposed
samples as a function of ENPs exposure concentration (Figures 2 and 3). Herein, the RAPD PCR
and AP sites content were used to assess nAu-induced DNA damage on P. subcapitata. The
genotoxicity studies were done using three concentrations of nAu, viz.: the lowest, median, and

highest (62.5, 250, and 1000 pg/L).
3.4.1. RAPD PCR and estimation of genomic template stability

Results in Figure 4 depict the RAPD profiles of isolated genomic DNA from nAu-treated and
untreated samples. The profiles were also used to analyse the GTS% (Equation 1). A negative
control (no DNA) was included to ascertain whether any band observed was attributable to DNA
amplification, or lack thereof. No bands were observed in the negative controls. Loss of normal
bands and appearance of new ones relative to the control were observed for nAu exposures
conducted using OPB 1 primer (Figure 4 a, b, e, f). For example, in the control five bands were
observed, but none were recorded following exposure to 5 nm (62.5 pg/L) and 40 nm (250 ug/L)
cit-nAu at 72 h (Figure 4a), and marked reduction in GTS% up to zero value. Using the OPB1
primer, DNA bands with various size ranges were recorded compared to the controls. Irrespective
of the nAu coating type and exposure duration, the OPB14 primer produced very similar RAPD
profiles (Figures 4c, d, g, and h). Notably, the size range of the genomic bands from cit-nAu
exposed samples was different from the controls (Figure 4d and g), thus, evidence of DNA

alterations

In previous studies, loss of normal bands was linked to DNA damage including single- and
double-strand breaks, modified bases, abasic sites, and/or chromosomal rearrangements (Atienzar
et al. 2002; Wolf et al. 2004) following exposure of algae cells to nAu. Conversely, the appearance
of new bands was likely due to DNA mutations (Atienzar and Jha 2006). Using OPB1 primer, cit-
nAu were observed to induce a reduction in GTS of between 0 and 20% at 72 h. These results are
indicative of possible early molecular responses to ENPs directly related to DNA damage (Rocco
et al., 2015a). However, likely cell recovery after 168 h was observed as GTS increased to 40-60%
for all nAu sizes. Therefore, these findings closely correlate with algal growth promotion observed

after 96 h discussed in section 3.2.
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Previously, a similar phenomenon was observed in algae (Schiavo et al., 2016) and fish (Rocco et
al., 2015a). Schiavo et al., (2016) observed 40 and 55% nuclei damage on algae Dunaliella
tertiolecta following exposure to 5 and 25 mg Zn/L, respectively, after 24 h using Comet assay.
However, after 72 h, no effects were apparent but rather a decrease in the percentage of damaged
nuclei relative to 24 h results. Using RAPD-PCR, Rocco et al. (2015a) observed a 37% reduction
in GTS following exposure of zebrafish (Danio rerio) to nTiO2 (1 and 10 pg/L) after 14 d, but an
increase close to the control after 21-28 d. Both findings were attributed to the activation of defense
mechanisms. These findings including our present study highlight the need to consider long-term
exposure conditions using molecular approaches. Under short-term exposure, nAu irrespective of
type, showed no likelihood of algae recovery as observed under the long-term scenario. This
implies that response recovery mechanisms in the short-term were inadequate to protect the algae,
and these findings require further investigation. Further, current findings indicate non-recovery of
algal cells exposed to 5 nm BPEI-nAu at 1000 pg/L, thus, it is not possible to generalize the

ecological implications of ENPs even of the same parent ENPs.
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Figure 4: RAPD profiles generated using primers OPB1 and OPB14. Abbreviations: c1- 62.5 pg/L,
c2- 250 pg/L, c¢3- 1000 pg/L, +c- untreated control, -c- negative control (no DNA) and lad- DNA

ladder.
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3.4.2 Detection of AP sites content

The extent of genotoxicity was determined by comparing the number of AP sites in treated samples
to the controls. Results indicated that the AP sites content increased from 15 + 0.4 per 10° bp after
72 h to 18 £ 0.9 AP sites per 10° bp at 168 h (Figure 5) in the controls following the method

described in Section 2.3.

Cit-nAu
50 @ 72h w168 h

Control SC1 5C2 5C3 20Cl1 20C2 20C3 40Cl1 40C2 40C3

BPEI-nAu

Control 5C1 S5C2 5C3 20Cl1 20C2 20C3 40C1 40C2 40C3
ENPs concentrations

Figure 5: Estimates of AP sites in algal DNA following exposure to nAu at 72 and 168 h using a
DNA Damage—AP sites assay. Values are reported as mean = standard deviation. C1, C2, and C3
represent nAu concentrations of 62.5, 250, and 1 000 pg/L, respectively. The number before the

concentration represents nAu size (nm).
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A significant increase in AP sites content was observed for cit- and BPEI-nAu treated samples
relative to the control after 72 and 168 h (Figure 5) except for 40 nm-sized BPEI nAu after 168 h
(Figure 5b). AP sites content over time exhibited significant differences primarily as influenced
by ENPs size (no differences at lower sizes (5 and 20 nm) but apparent at higher sizes (40 nm) of
nAu). No differences were observed linked to ENPs coating type, or exposure concentration
(Figure 5). For example, 40 nm-sized nAu irrespective of coating type and exposure concentration
induced a significant reduction of AP sites content after 168 h compared to 72 h (Figure 5a, b).
This was attributed to DNA damage recovery under longer chronic exposure of 168 h. These
findings correlate with the observed increase in GTS% after 168 h. Moreover, an increase in AP
sites content (33 + 0.4 to 42 + 9 AP sites per 10° bp) was observed after 168 h (Figure 5b) at the
highest exposure concentration (1 000 pg/L) for 5 nm BPEI-nAu; and were consistent with
significant growth inhibition (Figure 2b) and Chl a content reduction (Figure 3d) results.
Therefore, only 5 nm BPEI-coated-nAu genotoxicity results showed a close correlation with
cytotoxicity endpoints (growth inhibition and reduction in Chl a content). In turn, this implies it is
not plausible to draw generalized implications of ENPs to aquatic organisms even for the same
parent material. This is because differences e.g. in size and coating among other influencing factors
can underpin the induction of distinctive toxicological outcomes both at physiological and

molecular levels.

Similar to cytotoxicity endpoints, results for 40 nm-sized-nAu suggest exposure duration plays a
significant role to genetic response of algae to ENPs. Overall, in this study genotoxicity results
revealed potential toxicity of nAu to algae at the molecular level even in cases where no effects
were apparent at the morphological level. Previously, Geffroy and colleagues (2012) demonstrated
that the alteration of genome composition following exposure of Danio rerio to nAu (12 and 50
nm) at 36-106 ng Au/fish/d for 60 d. However, Au accumulation in fish tissues was only observed
at the highest exposure concentration. Their results showed nAu induced genotoxic effects in fish
even where none were observable at the physiological level. Thus, findings herein indicate the
significant role of genotoxicity data as a valuable tool for early detection and assessment of

potential environmental risks of ENPs to the aquatic biota.
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4. Environmental implications

Among aquatic organisms, algae are at the lowest trophic level as producers, providing food and
oxygen to other forms of aquatic biota. They also have a high ability for bioaccumulation of
pollutants (Bhuvaneshwari et al., 2015). For ENPs exposure, accumulation and transfer to other
organisms in the food chain are likely as previously observed for nAg (Lekamge et al., 2019), with
a concomitant compromise to the ecological integrity. Herein, results demonstrated that nAu may
not cause deleterious effects on algae based on morphological end-points investigations e.g.,
growth inhibition or chlorophyll content. However, effects may be apparent at the genetic level in
the form of DNA damage and/or mutation as our results show. Thus, careful analysis of potential
genotoxicity from nano-pollutants for algae should be considered in future studies. Our findings
show that DNA damage induced by 40 nm-nAu at 72 h was reversed after 168 h. However, for 5,
and 20 nm nAu, DNA damage observed at 72 h persisted after 168 h indicative of complex
interplay of ENPs physicochemical properties to the resultant effects.

Findings indicate that smaller-sized nAu may induce higher toxicological outcomes compared to
larger-sized ones. DNA damaging pollutants e.g. nAu may interfere with cellular processes
resulting in the causation of deleterious effects on the development, growth, and reproduction
(Ginebreda et al., 2014). These effects may be carried over to the next generations (Deavaux et al.,
2011) where they can compromise both ecological and human health. Understanding the effects
of ENPs at lower trophic levels could help predict their potential risks to human health. For
example, the potential risk of ENPs to aquatic biota can be transferred to humans via the food
chain e.g. through plants and protein diet such as fish. Therefore, there is a strong necessity for
genotoxicity studies carried out at environmentally relevant ENPs concentrations (in ng/L to a
lower scale of pug/L), and secondly, using actual environmental matrixes e.g. freshwater from
rivers, wetlands, lakes, etc. Such studies are essential to aid understand ENPs mechanisms of

toxicity, especially under chronic conditions to aquatic biota as well as human health.
5. Conclusions

Significant inhibitive cytotoxic effects to algae were only observable following exposure to 5 nm
BPEI-nAu at 1 000 ug/L, thus indicative of complex interplay between size, coating type, and

exposure concentration as influencing factors. All permutations of nAu used in this study induced
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inhibitive genotoxic effects irrespective of time, size, coating type, and exposure concentration.
Thus, the findings indicate the significant role of genotoxicity studies in assessing the potential
environmental risks of ENPs to aquatic biota because assays used are more sensitive compared to

those for cytotoxicity investigations.

RAPD-PCR results revealed changes in the DNA of nAu-exposed algae in the form of appearance
and/or disappearance of normal bands compared to the controls. Genomic template stability
signifying a decrease in DNA stability was observed at a short time of 72 h, but increased after
168 h. Similarly, a significant increase in AP sites content was observed for nAu -treated samples
relative to the control after 72 h, but a decrease was observed for 40 nm-sized nAu after 168 h.
Overall, in this study, the genotoxicity of nAu to P. subcapitata was influenced by nAu size,
surface coating type, exposure concentration, and duration. This study provides evidence for the
influence of nAu physicochemical properties, and exposure duration on genotoxicity to P.
subcapitata. This plays a vital role in understanding the behavior and toxicological outcomes of

nAu in the aquatic environment.
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