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Kateřina Malachová, Čeněk Novotný, Grażyna Adamus, Nadia Lotti, Zuzana Rybková,
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It is with great pleasure that we present to you the output of the Special Issue Study
of Biodegradation and Bioremediation. We are extremely pleased that despite the difficult
time of the pandemic, many researchers from all over the world wanted to include their
research in our Special Issue.

With regret, it has to be said that despite several regulations and great care for storage
and transport safety, there is still the possibility of uncontrolled release of petroleum
products, substrates in chemical synthesis, drugs, dyes, etc. Moreover, the currently used
solid waste and sewage water management methods do not allow for the effective removal
of both persistent contaminants and pharmaceuticals. Ecological disasters, frequently
occurring in large sizes and regular waste management, show how important it is to have
some appropriate techniques that are helpful in rapid remediation of the environment. The
biodegradation of pollutants depends on various factors, such as their chemical structure,
physicochemical properties, or bioavailability for microorganisms. Therefore, there is a
need to develop new effective bioremediation processes and extensive and deep studies on
biodegradation processes conducted by microorganisms.

What is more, a comprehensive and multifaceted look at the phenomena accompany-
ing biological degradation is very important. Work on effective conduct of biodegradation
and bioremediation processes has been going on for decades. However, in recent years,
new analytical techniques and an intensively developed interdisciplinary perspective on
these issues have yielded many valuable results. These have become the core of the articles
forming this Special Issue.

We would now like to introduce the publications included in this collection briefly. To
begin, we would like to clearly emphasize that neither the order of the mentioned articles
nor the amount of text devoted to them proves the value of these publications. In our
opinion, each of them is an important and valuable contribution to the development of
our knowledge and carries significant application meaning. The first group of articles deal
with the removal of petroleum hydrocarbons from the environment.

Yaman’s article “Performance and Kinetics of Bioaugmentation, Biostimulation, and
Natural Attenuation Processes for Bioremediation of Crude Oil-Contaminated Soils” [1]
considered the effectiveness of bioaugmentation and biostimulation in hydrocarbon re-
moval in his paper. In his pilot study, the author noted that the TPH degradation in the
crude oil contaminated soil was improved by bioaugmentation with genus Alcanivorax
and biostimulation with nitrogen and phosphorus. On the other hand, Smułek et al. fo-
cused on the bioavailability of pollutants to cells as a limiting factor for the biodegradation
process [2]. Their paper “Modification of the Bacterial Cell Wall-Is the Bioavailability
Important in Creosote Biodegradation?” is a significant study showing the complexity of
changes occurring on the cell surface and inside cell membranes that are caused by contact
of bacteria with PAHs.

The paper by Malachov et al. “Ability of Trichoderma hamatum Isolated from Plastics-
Polluted Environments to Attack Petroleum-Based, Synthetic Polymer Films” provides a
link between the problem of hydrocarbon contamination and environmental plastic pollu-
tion [3]. The results presented here add a great deal to knowledge on the biodegradation of
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plastics by different consortia of microorganisms. Contamination of the environment by
heavy metals is a particularly difficult challenge due to their extreme toxicity and bioaccu-
mulation in living organisms. It is, therefore, worthwhile to look at new possibilities for
removing heavy metals from soils and waters.

The combination of phytoremediation and microbial remediation was addressed by
Garcia-Martin et al. In their paper, “Identification of Copper in Stems and Roots of Jatropha
curcas L. by Hyperspectral Imaging.” They studied these issues based on an extensive
statistical analysis of hyperspectral images in the visible/near-infrared [4]. Moreover, Tsipa
et al., in their article “Iron-Stimulated Production and Antimicrobial Potential of a Novel
Biosurfactant Produced by a Drilling Waste-Degrading Pseudomonas citronellolis Strain,”
showed the high potential of a peptide biosurfactant produced by a strain of the genus
Pseudomonas [5]. Thus, these researchers confirm that hydrocarbon-contaminated sites can
also become a source of bacterial strains capable of producing valuable compounds from a
pharmaceutical and cosmetic perspective.

There is a trend of looking at contaminated sites as a source of interesting microor-
ganisms, including extremophilic ones. As such, the publication “Coal-Degrading Bacteria
Display Characteristics Typical of Plant Growth Promoting Rhizobacteria” by Titilawo
et al. determines the genetic relatedness of coal-degrading bacterial strains isolated from
the rhizosphere of grasses growing on coal discard dumps and from diesel-contaminated
sites [6].

Another equally interesting Special Issue thread is research on effective heavy metal
remediation. Bravo et al. published a paper, “Effects of Mercury II on Cupriavidus met-
allidurans Strain MSR33 during Mercury Bioremediation under Aerobic and Anaerobic
Conditions.” Their research indicates that the C. metallidurans strain MSR33 they tested
may be useful for mercury bioremediation in polluted water under aerobic and anaerobic
conditions [7].

The global production of dyes is still increasing, which affects their dispersion in the
environment. This problem was addressed by Liu et al. [8]. Their article “Preparation of
KOH and H3PO4 Modified Biochar and Its Application in Methylene Blue Removal from
Aqueous Solution,” touches upon the problem of using bio-based materials for methylene
blue water treatment. The research of Kolodziejczak-Radzimska and Jesionowski in the
article “A Novel Cysteine-Functionalized MxOy Material as Support for Laccase Immobi-
lization and a Potential Application in Decolorization of Alizarin Red S,” is significant, as
well [9]. These researchers used immobilized laccase to remove alizarin dye, highlighting
key technological aspects, including the importance of proper carrier selection in the im-
mobilization process. These studies are referenced in the paper by Nguyen et al. “A Novel
Approach in Crude Enzyme Laccase Production and Application in Emerging Contaminant
Bioremediation,” describing the potential of an enzymatic membrane reactor for the oxida-
tion and removal of emerging contaminants (ECs), such as pesticides, pharmaceuticals and
steroid hormones [10].

Also of interest are the results of Ashraf et al. (“Evaluation of Toxicity on Ctenopharyn-
godon idella Due to Tannery Effluent Remediated by Constructed Wetland Technology”),
who highlighted the problem that is tannery effluent water. The specific composition of
pollutants poses a problem for aquatic microorganisms, however the use of constructed
wetlands is a promising option to reduce pollutant emissions [11]. Last but not least, two
review papers round out the Special Issue. Vázquez-Núñez et al., in their swim article
“Use of Nanotechnology for the Bioremediation of Contaminants: A Review,” provides a
broad perspective on using state-of-the-art nanotechnology in bioremediation processes
while highlighting the complexity of interactions between microorganisms, nanomaterials,
and environmental contaminants [12].

Our collection also could not miss the issues related to environmental contamination
with drugs. This topic was taken up by Tripathi et al., who presented the publication
“Environmental Remediation of Antineoplastic Drugs: Present Status, Challenges, and
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Future Directions” [13]. Although they focused on a specific group of pharmaceuticals,
their observations are relevant to the broader issue of removing bioactive compounds.

In closing, we would like to again thank all the authors for their work. Thanks to
them, we all gain insight into the latest research on bioremediation and biodegradation
processes. We are convinced that this will bring tangible benefits to scientists and society
as a whole.

Author Contributions: Writing—original draft preparation, review and editing, E.K. and W.S. Both
authors have read and agreed to the published version of the manuscript.

Conflicts of Interest: The authors declare no conflict of interest.
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Abstract: A Pseudomonas citronellolis strain was isolated from drilling waste (DW). This strain utilizes
DW as the sole energy and carbon source to produce biosurfactants (BSs). The BS produced was
thermally stable, amorphous and includes a peptide structure. FeSO4, FeCl3 and Fe(NO3)3 were
supplemented at various concentration levels to assess possible enhancement of BS production and
DW biodegradation. The limit concentration of Fe compounds between the increase in BS formation
and microbial toxicity was 0.1 mM. FeCl3 enhanced DW biodegradation and more than doubled
the BS formation yield, determining an optimization strategy for BS production. The BS was then
partially purified and used against several Gram-negative and positive multi-drug resistant bacteria
(such as Klebsiella pneumoniae, Pseudomonas aeruginosa, Escherichia coli spp, Acinetobacter baumaniii,
Enterococcus faecalis spp, Streptococcus pneumoniae, Staphylococcus aureus, Salmonella enterica). The
minimum inhibitory concentration was defined at a range of 0.25 to 10 mg/mL. The antimicrobial
properties of the partially purified BS established its effectiveness and suggested a down-stream
processing cost reduction, as no additional purification steps were necessary. The study could lead to
a sustainable low-cost bioprocess towards a circular bioeconomy because waste, a non-expensive
substrate, is used; while the BS holds great potential as a novel compound with antibiotic and
disinfectant-like action, following toxicity testing with human cells.

Keywords: biosurfactant; drilling waste; iron-stimulation; characterization; antimicrobial properties

1. Introduction

Surfactants, which are surface active agents, are classified into two main categories:
synthetic surfactants and biosurfactants. Synthetic surfactants are produced by organic
chemical reactions, whereas biosurfactants are produced by biological processes of microor-
ganisms [1]. Biosurfactants (BS) are amphiphilic molecules possessing a hydrophilic and a
hydrophobic moiety [2]. BSs production has been attracting increased attention due to their
low toxicity, high biodegradability, better environmental compatibility, higher selectivity,
high foaming capacity, stable activity at extreme pH, salinity and temperature, and com-
patibility with human skin [3,4], when compared to their synthetic counterparts. Given the
different types of BS-producing microbial species and BS chemical structures, microbial
surfactants are separated into four main categories: (1) glycolipids, (2) phospholipids,
(3) polymeric surfactants, and (4) lipoproteins and lipopeptides [5].

Due to their exceptional properties, BSs are being increasingly used in various fields
including: pharmaceutical and food industries as emulsifiers; surfactants in laundry
products by detergent-producing industries; biological control agents in heavy oil spill
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mobilization for the control of oil pollution, for cleaning of oil sludge at storage facilities,
as well as in the bioremediation of oil contaminated soil and (microbial) enhanced oil
recovery ((M)EOR)) [6]. Interestingly, several BSs also exhibit antibacterial, antifungal,
anticancer and antiviral activities, which render them appropriate candidate molecules for
applications in combating many infections, viruses and diseases [7,8].

Even though interest in BS research and development is increasing, these compounds
are not yet industrially and financially feasible, as opposed to synthetic surfactants. One
of the main reasons for this is their high production cost, which is almost 50 times that of
synthetic surfactants [9]. Nevertheless, the cost can be reduced by optimizing the medium
composition through statistical methods, optimizing culture conditions, using high yield BS-
producing strains [10], strain improvement, or by using alternative inexpensive substrates,
such as agricultural and drilling waste and wastewater. The latter is important to the
overall economy of the process, as it accounts for up to 50% of the final production cost and
may also lead to a reduction in expenses as regards to waste treatment [11], thereby leading
to circular economy and sustainability. Therefore, low-cost or underutilized substrates,
such as industrial waste, can be utilized to address this issue [12].

The safe disposal of drilling waste (DW) poses important waste management and
environmental problems to the oil and gas (O & G) industry, mainly due to the vast quanti-
ties generated and the high content of contaminants. DW is the second largest volume of
waste, behind produced water, generated by the O & G industry [13]. It mainly consists
of hydrocarbons, leading to contamination of the natural resources. Bioremediation by
biodegradation is considered as one of the primary mechanisms for the elimination of
hydrocarbon pollutants from the environment. The potential for DW bioremediation may
efficiently contribute to effective waste management in the O & G industry. Furthermore,
oil-related waste bioconversion to high added-value compounds, such as BSs, is an envi-
ronmentally compatible and sustainable solution, enhancing the biodegradation process
itself, while substantially reducing the production costs of BSs [14]. Well-known BSs used
to enhance biodegradation of oil-contaminated sites and oil recovery are rhamnolipids
from Pseudonomas spp. [15], sophorolipids from Candida spp. [16] and surfactins from
Bacillus spp. [17].

Microorganisms are greatly affected by the growth conditions that prevail around
them [18]. Different carbon and nitrogen sources, along with variations at pH and tem-
perature, have resulted in increased yields of BSs [2]. In addition, metal supplementation
was reported to be one of the critical factors required for the enhanced production of
BSs [19]. Among the metal ions, Fe is the key microelement for BS production in several
microorganisms, which also plays a key role in microbial metabolism [20].

Considering all the above, in the current study, a BS-producing microorganism, called
Pseudomonas citronellolis, was isolated from DW. BS production by P. citronellolis will be ex-
ploited by degrading drill cutting fluid (DCF), a constituent of DW, and by supplementing
different Fe compounds at different concentration levels. The BS will be characterized in
principal and its antimicrobial potential will be tested against several Gram-negative and
positive bacteria. To the best of author’s knowledge, this is the first collection of data on
antimicrobial activity of BSs extracted from a P. citronellolis strain against a wide number of
bacterial pathogens.

2. Materials and Methods

2.1. Microbial Enrichment Experiments

The microorganism was isolated using 0.5% (v/v) drill cutting fluid (DCF), provided
by Innovating Environmental Solutions Center (IESC Ltd., Limassol, Cyprus), 5% (w/v) ac-
tivated sludge coming from the municipal wastewater treatment plant of Limassol (Cyprus)
as an inoculum, 10 times concentrated (10×) M9 minimal medium (i.e., 33.91 g Na2HPO4,
15 g KH2PO4, 15 g NaCl, 5 g NH4Cl in 0.5 L dH2O) [21] and 500 times concentrated (500×)
MgSO4 (12.0372 g in 100 mL dH2O). Microbial enrichments were grown in a total volume
of 50 mL in a 250 mL Erlenmeyer flask. In the flask, 10% of the volume was M9 minimal
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medium and 0.02% MgSO4. The total incubation period lasted 21 days, at a temperature
of 30 ◦C. Within the 21 days, 10% (v/v) of the inoculum was transferred every 7 days to
a freshly prepared media, which contained M9 minimal medium, MgSO4 and 0.5% (v/v)
DCF. Following the total incubation period, 300 μL of the microbial enrichment was spread
to a Petri dish containing agar with 10% M9 minimal medium, 0.02% MgSO4 and 0.5% (v/v)
DCF. The Petri dish was incubated at 30 ◦C for 48 h. Following that, the culture of the Petri
dish was spread to a new Petri dish, following the same procedure, until single colonies
were observed. The process was repeated three times. Single colonies were then grown
in liquid media containing 10% M9 minimal medium, 0.02% MgSO4 and 0.5% (v/v) DCF
in a total volume of 50 mL in a 250 mL Erlenmeyer flask for 24 h in triplicates. Microbial
culture aliquots were separated and stored in 25% (v/v) glycerol at −80 ◦C. Following that,
the microbial cultures were centrifuged at 4000 rpm, the supernatant was discarded, and
the biomass was proceeded for total DNA extraction.

2.2. Microorganism Identification and Homology

Total DNA was extracted from 100 mL microbial cultures using the DNeasy Kit (Qia-
gen, Düsseldorf, Germany), following the manufacturer’s instructions. For identification
of the microbial culture, de novo sequencing was performed (Macrogen Ltd., Amsterdam,
the Netherlands). A draft genome sequence was generated by performing the following
steps: (i) DNA PCR-Free Library construction (Illumina TruSeq), (ii) 150 bp PE sequencing
run-2Gb data (illumina NovaSeq), (iii) de novo assembly, (iv) genome annotation. The
nearest relative strains were identified by Basic Local Alignment Search Tool (BLAST)
analysis against the National Center for Biotechnology Information (NCBI).

2.3. Bacterial Culture Conditions

Subcultures of the isolated strain were pre-grown for 24 h at 30 ◦C and 100 rpm (Shaking
Orbital Incubator SI50, Stuart) in M9 minimal medium [21] and MgSO4 supplemented with
1% (v/v) DCF (IESC company, Limassol, Cyprus). Each experiment was conducted in three
independent cultures, which were prepared by diluting the 24 h culture in M9 minimal
medium and MgSO4 to an initial optical density (OD) of 0.1 (0.1 L culture volume) at 600 nm
(UV-Visible Spectrophotometer, JASCO V-530 PC, Nicosia, Cyprus). In each experiment,
10% of the volume was M9 minimal medium and 0.02% MgSO4. The exact recipe of the
prepared M9 minimal medium and MgSO4 is described in Section 2.1. The M9 minimal
medium and MgSO4 were supplemented with 1% (v/v) DCF, while varying additions of
different Fe forms were further used, depending on the experiment performed (see below).
Cultures were prepared using 500 mL conical Erlenmayer flasks, which were continuously
stirred at the same conditions as pre-culture. The flasks were filled with medium up to
one-fifth of their volume, to ensure sufficient oxygen availability to the microorganism.

2.4. Effect of Iron Forms and Concentration Level on the Isolated Strain

For every study, the pre-inoculum was prepared with 1% (v/v) DCF at M9 minimal
media and MgSO4 and was left for 24 h at 30 ◦C and 100 rpm. For every experiment, the
pre-inoculum was diluted to 0.1 OD. Certain concentrations of Fe of 3 different forms were
added to the medium containing DCF. The different Fe compounds used in this study were:
FeSO4 (Scharlau, Barcelona, Spain), Fe(NO3)3 (Carlo Erba, Barcelona, Spain), and FeCl3
(Carlo Erba, Barcelona, Spain). A control experiment without iron was also performed.
To study the effect of iron concentration on biosurfactant production, bacterial growth
and chemical oxygen demand (COD) removal, FeSO4 was added to the microbial cultures
with DCF at concentrations of 0.1, 0.2, 0.4 and 0.6 mM. The compounds Fe(NO3)3 and
FeCl3 were added at concentrations of 0.1 and 0.6 mM. In all experiments, the flasks were
incubated in triplicate for 24 h at 30 ◦C and 100 rpm.

7



Processes 2021, 9, 686

2.5. Biosurfactant Isolation, Extraction and Partial-Purification

For the isolation of the BS, a method similar to Suryanti et al. (2013) [22] was followed.
In particular, following the completion of each experiment, the cultures were centrifuged
for 25 min at 4500 rpm to precipitate and remove the biomass. The BS recovery process
initiated from the cell-free supernatants of DCF containing media where the pH was
adjusted to 2 using 1M H2SO4. The samples were incubated at 4 ◦C overnight. On the next
day, the supernatant was centrifuged for 30 min at 4500 rpm, resulting in the precipitation
of the BS, and the supernatant was discarded. A total of 5 mL of a mixture of chloroform:
methanol (2:1 v/v) was added to the precipitated BS. The mixture was mixed vigorously,
resulting in BS dissolution. The mixture was incubated at 30 ◦C for 15 min. Following that,
the BS solution was centrifuged for 30 min at 4500 rpm, leading to the precipitation of the
partially purified BS. The supernatant was discarded, the precipitate was left to dry, and
was kept at −20 ◦C.

2.6. Analytical Methods: Chemical Oxygen Demand (COD)

Following the completion of each experiment, the cultures were centrifuged for 25 min
at 4500 rpm to precipitate and remove the biomass. A total of 1 mL of the supernatant
was collected and diluted in 4 mL of distilled H2O (×5 dilution). The method for the
determination of COD was based on instructions by a kit (Supelco, Inc, Sigma-Aldrich, St.
Louis, MI, USA) with COD range between 500 to 10,000 mg/L. The sample was diluted to
fall within the kit COD range. The method agrees with the DIN ISO 15,705 and is similar to
EPA410.4, APHA 5220D, and ASTM D1252-06 B. The kit provides the cell which contains
sulfuric solution of potassium dichromate and silver sulfate as catalyst. Kit instructions for
sample preparation, incubation and COD quantification were followed. Briefly, 1 mL of
the diluted sample was added to the cell. The cell was vigorously mixed and then heated
at 148 ◦C in a pre-heated thermoreactor (CR 3200, WTW, Xylem Analytics, Weilheim,
Germany) for 120 min. Following complete cooling of the cell down to room temperature,
the COD concentration was measured in a photometer (Spectroquant pharo 100, Merck
Millipore, Darmstadt, Germany). The control for the COD measurement contained the
medium and 1% (v/v) DCF.

2.7. Antimicrobial Activity
2.7.1. Bacterial Strains Tested

The antimicrobial activity of the studied biosurfactant was tested against Gram-
negative and Gram-positive multi-drug resistant bacteria purchased from Leibniz Institute
DSMZ-German Collection of Microorganisms and Cell Cultures GmbH (Germany). All the
purchased microorganisms were grown in the relevant culture conditions recommended
by the company. Furthermore, the antimicrobial activity was tested against an Escherichia
coli strain and Enterococcus faecalis strain, isolated from the municipal wastewater treatment
of Limassol (Cyprus). These two strains, in the present study, were called Escherichia coli
resistant and Enterococcus faecalis resistant.

The Gram-negative bacteria purchased were: Klebsiella pneumoniae (DSM 681), Pseu-
domonas aeruginosa (DSM 19880), Escherichia coli (DSM 17076), Acinetobacter baumaniii (DSM
24110). The Gram-positive bacteria were: Enterococcus faecalis (DSM 20409), Streptococcus
pneumoniae (DSM 11865), Staphylococcus aureus (DSM 799), Salmonella enterica (DSM 26655).

2.7.2. Preparation of Biosurfactant Solution

The BS was dissolved in 5% (v/v) methanol in distilled H2O. The pH of the solution
was adjusted to 9. The concentration of the biosurfactant in the solution was adjusted
to either 1 or 10 mg/mL and serial dilutions in distilled H2O were prepared to adjust to
lower concentrations of the BS, as needed. In particular, 1 mg/mL was diluted to 0.25 and
0.5 mg/mL, whereas 10 mg/mL was diluted to 5 mg/mL to test the minimum inhibitory
concentration of the BS, as described in Section 2.7.4 below. The control solution was 5%
(v/v) methanol in distilled H2O with pH 9.
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2.7.3. Agar Disc Susceptibility Test

The antimicrobial activity was determined using the standard clear zone inhibition
halo method [23]. The susceptibility of the test strains against the BS was tested with the
agar disc diffusion test. The method is similar to that used by Das et al. (2008), with a
few modifications. For the test, all the bacterial test strains, including the isolated strains,
were cultured overnight in sterile trypticase soy broth (TSB) at 37 ◦C. TSB contains 17 g
tryptone (pancreatic digest of casein), 3 g soytone (peptic digest of soybean), 2.5 g glucose
(=dextrose), 5 g sodium chloride, 2.5 g dipotassium phosphate per litter of dH2O at pH
7.3 ± 0.2. The OD of all broth cultures was adjusted to 0.1 equivalents to an inoculum
of 1.5 × 10−8 CFU ml−1 (according to McFarland turbidity standards). Exactly 500 μL
of each of the diluted in TSB cultures was used to inoculate agar plates by flooding their
surface and spreading them uniformly on plates. The excess liquid broth was allowed to
air dry for 15 min under the sterile environment of a biosafety laminar flow cabinet (Esco,
Barnsley, UK). The agar disc diffusion was performed, following optimization experiments,
on sterile TSB agar (Sigma-Aldrich ltd, St. Louis, MI, USA) (K. pneumoniae, P. aeruginosa,
E. coli resistant, E. coli, A. baumaniii, S. pneumoniae), sterile TSB with yeast extract agar
(Liofilchem, Roseto degli Abruzzi, Italy) (E. faecalis resistant, E. faecalis, S. aureus) and
sterile nutrient agar (Scharlau, Barcelona, Spain) (S. enterica) plates. TSB with yeast extract
contains 30 g TSB, 3 g yeast extract and 15 g agar per liter of dH2O. Nutrient agar contains
1 g meat extract, 2 g yeast extract, 5 g peptone, 5 g sodium chloride, 15 g agar per litter
of dH2O. Sterile Whatman filter paper (No. 1) discs of 6 mm diameter, impregnated with
15 μL of the different stock solutions of the BS, were kept aseptically on the surface of these
pre-inoculated plates. A disc soaked in the control solution (as described in Section 2.7.2
above) was kept as a negative control. The plates were incubated at 37 ◦C for 48 h and,
after growth, the microbial growth inhibition zones around the discs were measured. All
tests were performed in four replicates and the inhibition zone diameter values (mm) were
expressed as the mean value ± standard deviation (SD).

2.7.4. Minimum Inhibitory Concentration (MIC) Agar Susceptibility Test

The agar disc diffusion test was carried out to determine the minimum inhibitory
concentration (MIC) of the BS against the different tested microorganisms. The plates
inoculated with the tested microorganisms were prepared as presented to Section 2.7.3.
Sterile Whatman (No. 1) filter paper discs were impregnated with 15 μL of different
dilutions of the solution of the partially purified BS. Those discs were then kept aseptically
on the surface of the pre-inoculated plates. The plates were incubated at 37 ◦C for 48 h.
The minimum concentration of the BS, which showed a clear zone of inhibition around
the applied disc, was considered as their MIC against that particular microorganism. All
tests were performed in four replicates and the inhibition zone diameter values (mm)
were expressed as the mean value ± standard deviation (SD). A disc soaked in the control
solution (as described in Section 2.7.2 above) was kept as a negative control.

2.8. Emulsification Index (E24)

The emulsification index (E24) was determined by adding 2 mL of DCF to the same
amount of two different aqueous solutions (5% (w/v) and 1% (w/v)) of biosurfactant
extracted as above. The DCF-biosurfactant solution was vortexed at maximum speed for
2 min and left to stand for 24 h. After that time period, the E24 was calculated as the
percentage of height of emulsified layer (mm) divided by the total height of the liquid
column (mm) [24] (Equation (1)). The emulsification percentage was determined based
in triplicates.

E24 = (Height of emulsion layer/Total height of solution) × 100 (1)
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2.9. Surface Tension

The BS surface tension was estimated based on the method of capillary rise [25–27].
The surface tension was determined based on the P. citronellolis isolated strain growth in
M9 minimal media and MgSO4 at 30 ◦C and pH 7. The biomass was removed and the
BS was extracted as described in Section 2.5. Before being stored at −20 ◦C, the BS was
dissolved in water. The density of the BS was 1.78 g/mL. Surface tension was determined
using Equation (2), where d is the liquid density, h the height of the capillary, r the capillary
radius, γ the surface tension and θ the contact angle. Since the liquid completely wet the
capillary walls, the contact angle θ was considered 0◦, and cosθ was equal to 1.

γ = (rhdg)/(2cos θ) (2)

2.10. Fourier Transform Infrared Spectroscopy (FTIR)

The FTIR measurements were performed with a Bruker (Mannheim, Germany) Vertex
70 FTIR-spectrometer. The spectra were recorded in the attenuated total reflectance (ATR)
mode by using a Pike Miracle ATR accessory configured with a single reflection ZnSe
crystal. The biosurfactant was placed in the ZnSe crystal in powder form and a high-
pressure clamp was used to improve contact between the sample and the ATR crystal.
A background spectrum was recorded with a clean crystal before each measurement.
ATR-FTIR spectra were recorded between 4000 and 600 cm−1 at a resolution of 4 cm−1.

2.11. Thermal Gravimetric Analysis (TGA) and Differential Thermal Analysis (DTA)

Simultaneous differential thermal analysis (DTA) and thermogravimetry (TG) on
a representative sample of mass 13.61 mg of the extracted BS were undertaken using a
Shimadzu (Kyoto, Japan) DTG-60H analyzer. These analyses were carried out from room
temperature (ca. 25 ◦C) to 800 ◦C, at a heating rate of 5 ◦C/min, in a flowing dry nitrogen
atmosphere (20 mL/min).

2.12. X-ray Diffraction (XRD) Analysis

The X-ray diffraction (XRD) analysis of the extracted BS (mass = 13.61 mg) was also
performed using a Bruker (Mannheim, Germany) D8 Advance system with Cu Kα radiation
(λ = 0.1541 nm) at 40 kV and 40 mA. The analysis was carried out with continual rotation
of the sample and a step of 10◦/min within the 10–80◦ 2θ angle range. The International
Centre for Diffraction Data (ICDD) Powder Diffraction File (PDF) 4 database was used for
the qualitative identification of the amino acids.

2.13. Statistical Analysis

For the antimicrobial activity test four technical replicates of each assay (i.e., agar disc
susceptibility method and MIC) were performed on the same day with the same solution
of the BS which was extracted from each experiment. Each experiment was performed in
biological triplicates. The results are stated as mean ± SD.

3. Results and Discussion

3.1. Identification of the Microorganism, Production of BS and Determination of Surface Tension
and Emulsification Index (E24)

DNA sequencing of three different single colonies derived from the isolation exper-
iment showed that each colony was derived from the same microorganism. It is likely
that the presence of biocides in the DCF prevented the isolation of more than one microor-
ganism. According to BLAST results, following genome annotation of the draft genome
sequence, the top ten (10) hits recognize that the microorganism is Pseudomonas citronellolis.
The current isolated strain showed a 97–99% homology with P. citronellolis P3B5 or SJTE-3
(Table S1, Supplementary Material). Hence, current strain holds the potential to be a novel
strain of P. citronellolis which, herein, was named P. citronellolis 620C. The genomes of both
P3B5 and SJTE-3 strains were completely sequenced and both strains have been identi-
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fied as hydrocarbon-degrading [28,29]. Furthermore, P3B5 has also been characterized
as surfactant-producing using diesel as a substrate [30]. Nevertheless, analysis of the
microorganism genome is beyond the scope of the present study.

BS formation is usually demonstrated from the late exponential phase until the end
of the stationary phase [31], while the release of cell-bound BS in the medium leads to a
decrease in surface tension, even after the stationary phase [32]. In the current study, it
was observed that microbial growth, with 1% DCF as a substrate, was reduced at 26 h of
culture and the BS was extracted at that time point. The surface tension of water and BS
solution were 72.1 mN/m and 32.8 mN/m, respectively. Therefore, BS efficiently reduced
the surface tension of water. The surface tension of the BS solution was similar to other
studies in the literature, whereby BS was produced by Pseudomonas species. For instance,
Singh et al. 2016 [31] reported a reduction in surface tension of a BS formed by P. otitidis P4
from 71.18 to 33.4 mN/m. Recently, a mixture of biosurfactants formed by P. syringae pv.
tabaci reduced the surface tension of water down to 36.89 mN/m [33].

The formation of BS increases the bioavailability and biodegradation of hydrocar-
bons [34]. An indication of the increased bioavailability is the emulsification index (E24).
The E24 using two solutions of BS with 1% (w/v) and 5% (w/v) BS concentration was 24.8%
and 44.6%, respectively. The E24 results did not show high emulsification of the BS, despite
the different concentration of BS used. This indicates that the current BS could be a low
molecular weight molecule. Low molecular weight biosurfactants are the glycolipids or
lipopeptides [35]. For instance, E24 of the glycolipid named rhamnolipid formed by P. fluo-
rescens was up to 10% and 49% upon growth on hexadecane and olive oil, respectively [36].
Furthermore, several lipopeptides showed a E24 between 20–31% upon Pseudomonas spp
growth on hexadecane biodegradation [37]. In another study, among several P. citronellolis
isolates from hydrocarbon contaminated soil, the E24 ranged between 43.75–70.45% [38],
showing low and high emulsification capability. Finally, upon E24 testing of a BS pro-
duced by P. citronellolis 222A, emulsification was not detected, indicating that the molecular
weight of the BS produced by that strain was not high [39].

3.2. Microbial Growth and the Effect of Different Iron Forms

In this study, the effect of different iron forms, at different concentration levels, on the
microbial growth of P. citronellolis isolate 620C was evaluated. In particular, FeSO4, FeCl3
and Fe(NO3)3 forms were studied based on the results reported by Santos et al. (2008) [40].
In that study, the effect of different iron forms on anthracene and other hydrocarbons
degradation, and BS production was demonstrated using P. citronellolis and P. aeruginosa
isolates. In the current study, to demonstrate the level of toxicity of iron forms on P.
citronellolis 620C, FeSO4 supplementation was studied at concentration levels of 0.1, 0.2, 0.4
and 0.6 mM (Figure 1A). Santos et al. (2008) reported that the addition of iron forms at a
concentration ≥0.5 mM was inhibitory for microbial growth. The results were compared to
microbial growth without the addition of iron forms. It was observed that the addition of
0.1 mM of FeSO4 greatly enhanced microbial growth, similarly to Santos et al. 2008 [40]
who chose that concentration level for further studies. Furthermore, unlike Santos et al.
2008 [40], the addition of higher than 0.1 mM concentrations of FeSO4 did not affect the
growth of P. citronellolis isolate 620C.

Following that, the effect of adding FeCl3 and Fe(NO3)3 forms was studied. These
iron forms were supplemented in the microbial culture at the lowest (i.e., 0.1 mM) and
highest (i.e., 0.6 mM) concentration level of FeSO4. This was performed to check microbial
growth at the concentration level of Fe compounds which promotes microbial growth,
according to the previous experiment (i.e., 0.1 mM of FeSO4) and one above the limit of
toxicity, according to Santos et al. (2008), which is 0.6 mM. Microbial growth kinetics
were evaluated at regular time points (Figure 1B). The results were compared to microbial
growth without the addition of iron forms. It was observed that 0.1 mM of both iron forms
significantly enhanced microbial growth, while the addition of 0.6 mM resulted in the
inhibition of P. citronellolis 620C growth. The latter can be attributed to the toxicity that
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may have been caused to the microorganism’s metabolism. These results are in accordance
to Santos et al. 2008 [40]. Furthermore, the addition of 0.1 mM of the three different iron
forms was compared to each other and to the microbial growth without the addition of any
iron form (Figure 1C). Among the three iron forms, the addition of FeCl3 resulted in the
highest microbial growth. Overall, when iron was supplemented in the microbial culture
at the lowest concentration, microbial growth was significantly increased.

 
Figure 1. Microbial net growth of P. citronellolis 620C with 1% (v/v) drill cutting fluid (DCF) as substrate: (A) with and
without the supplementation of different concentration levels of FeSO4, (B) with and without the addition of high and low
concentration level of FeCl3 and Fe(NO3)3, (C) comparison when different 0.1 mM iron forms are supplemented.

Several necessary functions of microbial metabolism are performed due to iron partic-
ipation, such as the protection of the cells against superoxide radicals, whilst iron is also
a key component of cytochromes and contributes to the Krebs cycle [41]. However, the
limit between deficiency and toxicity is narrow. For instance, iron can interact with reactive
oxygen species, such as hydrogen peroxide and superoxide, forming greatly damaging
and reactive hydroxyl radicals. Furthermore, bacteria are highly sensitive in the presence
of redox agents upon growth under iron-supplemented conditions [42]. Therefore, low
amounts of iron are required.

The presence of oxygen leads to insolubility and low reactivity of Fe, and thus, low
bioavailability and higher toxicity [40]. For instance, the predominant form of Fe, ferric
iron, which exists in rhizosphere, is highly insoluble. Therefore, it is possible that appro-
priate concentrations of soluble iron forms can enhance the microbial growth, resulting in
increased hydrocarbon biodegradation and, thus, higher microbial growth, as observed in
the rhizosphere [43,44].

Consequently, in the present study, the effect of iron forms on microbial growth was
more evident when more soluble iron forms were used. Specifically, microbial growth
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was further increased when FeCl3 and Fe(NO3)3 were added to the microbial cultures,
compared to FeSO4 addition. The addition of more soluble forms of iron increases iron
availability to the microorganism. FeSO4 is relatively insoluble in water, therefore, an
increase in the concentration of FeSO4 leads to an increase in insolubility. Thus, the
insignificant effect of >0.1 mM concentration of FeSO4 in the microbial culture may also
be attributed to insolubility, which inevitably leads to a lower interaction of Fe with the
microbial culture. Another cause of the lower effect of FeSO4 to the microbial growth could
be that this compound may also cause microbial culture acidification [40].

3.3. Biosurfactant Production and the Effect of Different Iron Forms

In the current study, BS production was evaluated upon supplementation of the microbial
culture with FeSO4 at the concentration level of 0.1, 0.2, 0.4 and 0.6 mM (Figure 2A). Santos et al.
(2008) reported that the addition of iron forms at concentrations ≥ 0.5 mM was inhibitory
for microbial growth and, thus, BS production. The results were compared to BS produc-
tion without the addition of iron forms. It was observed that the addition of 0.1 mM of
FeSO4 greatly enhanced BS production, in line with the results of Santos et al. 2008 [40].
Specifically, the BS yield was increased by 95%, as shown in Figure 2A. Furthermore,
addition of higher concentrations of FeSO4 led to lower levels of BS production than the
control specimen, despite the fact that those concentration levels did not negatively affect
the growth of P. citronellolis 620C. These results are consistent with those of Santos et al.
2008 [40], suggesting a strong correlation and dependence of iron and BS formation up
to a limit where iron is not beneficial for BS formation. Following that, the addition of
FeCl3 and Fe(NO3)3 were supplemented in the microbial culture at the lowest (i.e., 0.1 mM)
and highest (i.e., 0.6 mM) concentration levels. It was observed that 0.1 mM of both iron
forms greatly increased BS production. In particular, the addition of 0.1 mM of FeCl3
and Fe(NO3)3 resulted in a 112% and 90% increase, respectively, whereas the addition of
0.6 mM resulted in BS production that was lower than the control specimen (Figure 2B).
The results were similar to the microbial growth results and they could be attributed to
the toxicity that may have been caused to the microorganism’s metabolism, leading to low
microbial growth and, thus, limited BS formation. These results are also in accordance to
Santos et al. 2008 [40]. BS production was compared upon addition of 0.1 mM of the three
different iron forms (Figure 2C). Among the three iron forms, the addition of FeCl3 resulted
in the highest BS formation, which corresponds to the highest microbial growth. Overall,
similarly to microbial growth, when iron was supplemented in the microbial culture at
the lowest concentration, BS production was significantly increased. The addition of iron
forms to the growth medium of Bacillus subtilis [45] and P. citronellolis strains [40] resulted
in overproduction of the relevant BSs. Makkar and Cameotra (2002) also reported that
metal ion addition greatly enhanced BS production [46]. Several other studies have also
evaluated the positive effect of Fe nanoparticles on BS production [2,18].

Furthermore, in the present study, FeCl3 addition resulted in the highest BS yield,
over-doubling the production. This is in line with Dinkla et al. (2001) [43], who reported
the positive effect of FeCl3 on BS formation upon toluene biodegradation. In another study
of the production of BS by marine Nocardiopsis lucentensis MSA04 in solid-state cultivation,
FeCl3 was found to be the most suitable metal precursor [47]. Therefore, the addition
of more soluble forms of iron at adequate concentrations could be a key strategy for the
optimization of BS production.
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Figure 2. Biosurfactant production by P. citronellolis 620C with 1% (v/v) DCF as substrate, based on the product yield of the
biosurfactant (BS) over drilling waste consumption: (A) with and without supplementation of different concentration levels
of FeSO4, (B) with and without the addition of high and low concentration levels of FeCl3 and Fe(NO3)3, (C) comparison
when different 0.1mM iron forms were supplemented.

3.4. COD Removal and the Effect of Different Iron Forms

BSs enhance the bioremediation of oil waste [14]. Therefore, COD was studied to
observe the effect of enhanced biodegradation due to BS production. The effect of the
addition of the different iron forms was also evaluated through COD measurement. The
experimental conditions were similar as those mentioned above (Section 3.2). The FeSO4
effect on % COD removal of DCF was studied upon the addition of 0.1, 0.2, 0.4 and 0.6 mM
(Figure 3A), whereby a slight increase in the % COD removal was observed, compared to the
control experiment (i.e., without iron addition). The results followed the microbial growth
results, suggesting that FeSO4 addition does not greatly affect the metabolic pathways
related to hydrocarbons and biomass formation activities. Following that, the effect of
addition of 0.1 and 0.6 mM FeCl3 and Fe(NO3)3 was studied (Figure 3B), whereby at
0.1 mM, both forms increased the % COD removal, with the effect of FeCl3 being more
pronounced, in agreement with the previous results of the present study. Additionally, at
0.1 mM addition, among the three iron forms, FeCl3, similarly to the microbial growth and
BS production, further enhanced the % COD removal, demonstrating its positive effect in
the bioprocess (Figure 3C).

It was noticed that, although the different iron forms resulted in increased % COD
removal, compared to the COD removal without the supplementation of iron forms, the
removal was not as high as that of the COD removal reported in other studies (e.g., San-
tos et al., 2008), whereby pure hydrocarbon forms were used, such as anthracene. It is
suggested that the higher COD removal observed in the microbial cultures supplemented
with iron was due to the higher availability of iron for induction, expression and activity
of the enzymes catalyzing hydrocarbon biodegradation, as iron is a key element of oxyge-
nases [48]. Furthermore, at low iron concentration, the direct dependence of the BS on the
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presence of iron, which resulted in BS over-production, probably increased hydrocarbon
bioavailability to degradation, thus, leading to an increase in the % COD removal.

DCF is a highly toxic waste stream which, unless safely disposed, can lead to an
adverse impact on human health and the environment due to its hazardous components
and additives [49]. DCF biodegradation is an alternative eco-friendly approach for disposal
management which is enhanced by BSs produced during the microbial bioprocess [50].
Therefore, the potential of P. citronellolis 620C to be used in a scaled-up bioprocess was
examined. The enhancement of DCF biodegradation through the use of the BS-producing
P. citronellolis 620C was also evaluated at higher than 1% (v/v) DCF concentrations (i.e., 5%
and 10%) through monitoring of microbial growth kinetics and % COD removal. Despite
the toxicity of the DCF (initial COD: 41.000 mg/L), the % COD removal was promising
(i.e., 42% and 27.5%, respectively) (Supplementary Material Figure S1).

 
Figure 3. % chemical oxygen demand (COD) removal of DCF in P. citronellolis 620C culture with 1% (v/v) DCF as
substrate: (A) with and without the supplementation of different concentration levels of FeSO4, (B) with and without the
addition of high and low concentration levels of FeCl3 and Fe(NO3)3, (C) comparison when different 0.1 mM iron forms
were supplemented.

3.5. Biosurfactant Characterization
3.5.1. FTIR

FTIR spectroscopy is a valuable tool in the identification of the chemical structure of
compounds, as FTIR spectra comprise bands that are characteristic for specific chemical
bonds. In this work, the ATR-FTIR approach was employed, as it offers the advantage of
working with solid or liquid samples with minimal sample preparation prior to spectral
measurements. The ATR-FTIR spectra of the powder form of the BS are shown in Figure 4,
with traces a and b corresponding to the spectra of the BS produced by the P. citronellolis
620C culture in the absence and presence of FeSO4, respectively. The vibrations detected
in the ATR-FTIR spectra are characteristic of a peptide structure [51]. More specifically,
the bands at 3275 and 3075 cm−1 were assigned to the amide A and amide B vibrations
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(N-H stretch) of the peptide, while contributions from O-H bonds in the 3000–3500 cm−1

region cannot be excluded. The peptide backbone, additionally, gave rise to the amide I
vibrations (C=O stretch) observed at 1650 and 1625 cm−1, and to the amide II vibration (out-
of-phase combination of the NH in plane bend and the CN stretching vibration) identified
at 1530 cm−1 [51]. Furthermore, peaks originating from the C-H stretch of CH3 and CH2
groups were detected at 2960, 2930 and 2870 cm−1, demonstrating the presence of alkyl
groups [51,52]. To identify additional functional groups in the BS, the 1300–1000 cm−1

region was examined. In this region, bands could be observed at 1225, 1110 and 1050 cm−1.
These vibrations were attributed primarily to C-C and C-O(H) bonds and in conjunction
with the contribution of O-H bonds in the ~3370 cm−1 region, they provide an indication
of the presence of carbohydrate moieties in the peptide [52,53]. Finally, it should be noted
that a shoulder was observed in the amide I band at 1720 cm−1. This band could have
originated from the C=O stretch of Glu or Asp carboxylic acid side chains or from lipid
ester group; therefore, a lipopeptide structure is also possible [51,54]. Overall, from the
analysis of the ATR-FTIR spectra of the BS described herein and considering the similarity
of these spectra to the FTIR spectra of biosurfactants produced by lactic acid [52] and
marine [55] bacteria, a glycopeptide or lipopeptide structure is proposed. Furthermore,
the FTIR spectra of the BS produced in the absence and presence of FeSO4 were similar,
suggesting that Supplementation of the microbial culture with FeSO4 did not affect the
structure of the BS.

 
Figure 4. FT-IR analysis of the novel BS extracted and partially purified from P. citronellolis isolate
620C culture with 1% DCF as substrate: (a) without and (b) with the supplementation of FeSO4.

3.5.2. TGA, DTA and XRD

TGA/DTA, and XRD analyses were performed for the partially purified BS extracted
by the microbial culture, where 1% DCF was used as the substrate. The thermal stability of
BSs is a key property that is relevant to the applicability of these molecules in industrial
and commercial processes [56]. In the first step of TGA (Figure 5A), during the temperature
range 27–100 ◦C, the loss of BS weight due to the loss of water and solvent molecules was
estimated at 9.73 %. Thermal degradation takes place upon mass loss of at least 5% [57]. In
the current analysis, following the initial weight loss, 5% loss of BS weight was observed at
196. 4 ◦C. This step was followed by a rapid weight loss of 31.22% until 338.1 ◦C, which
could be attributed to the degradation of thermolabile content, such as carbohydrates
and peptides in the BS. The thermal decomposition at 338.1 ◦C was confirmed by the
exothermic peak of the DTA analysis. These results are similar to those reported by Weiss
et al. 2018 [58], where thermal decomposition of several amino acids (i.e., asparagine,
glycine, glutamic acid, cysteine, aspartic acid, histidine, arginine and glutamine) was
studied, demonstrating decomposition between 200–300 ◦C. The non-thermolabile content
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was gradually degraded, resulting in BS weight loss of 27.91 % over the temperature range
of 338.1–546.9 ◦C. This could be attributed to fatty acids, which are commonly decomposed
over a temperature of 300 ◦C [59]. At 546.9 ◦C, another exothermic peak on the DTA graph
was noticed, further confirming the thermal decomposition. As determined from the TGA
and DTA graphs, the degradation temperature of BS was found to be 546.9 ◦C, while
complete weight loss took place after 800 ◦C. Therefore, the BS formed by P. citronellolis
isolate 620C was determined to be thermostable. A similar TGA graph of a lipoprotein BS,
produced by Bacillus subtilis, has been established [60].

 
Figure 5. (A) Thermal gravimetric analysis (TGA) and differential thermal analysis (DTA) curves, and (B) XRD analysis of
the novel BS extracted and partially purified by P. citronellolis isolate 620C culture with 1% DCF as substrate.

The powder XRD pattern (Figure 5B) indicated a highly (57.2%) amorphous BS with
crystallinity index (CIxrd) equal to 0.428. XRD was used to qualitatively assess the amino
acids in the BS. Peptides are usually detected between 20–30◦ 2θ [61]. As confirmed by the
FTIR analysis, the structure of the BS formed by the P. citronellolis 620C contains amino
acids, the building blocks of peptides.

3.6. Antimicrobial Activity of the Biosurfactant

The antimicrobial activity was studied using the solution of the partially purified BS,
extracted by the P. citronellolis 620C culture with 1% (v/v) DCF. The BS showed antimicrobial
activity against all the multi-drug resistant Gram-positive and negative microorganisms
tested (Table 1).

Firstly, the antimicrobial activity of the BS was tested at a concentration level of
1 mg/mL (Table 1). This concentration level is commonly used in the agar susceptibility
method [62,63]. This BS concentration inhibited the growth of the Gram-negative bacteria
K. pneumoniae, P. aeruginosa, E. coli resistant and E. coli. In contrast, this level of BS concentra-
tion did not inhibit the growth of the Gram-negative A. baumaniii and all the Gram-positive
bacteria (i.e., E. faecalis resistant, E. faecalis, S. pneumoniae, S. aureus, S. enterica). These
pathogens were inhibited at 10 mg/mL BS concentration (Table 1). These results indicate
that some bacterial pathogens can be more resistant to antimicrobial agents compared
to others. Commonly, the inhibition of BS on growth of bacterial pathogens is studied
in a broad concentration range from few μg (e.g., 4.9 μg) [64] to 100 mg/mL [65]. Most
probably, this is dependent on the chemical compartments which are contained in a BS,
resulting in the antimicrobial activity, purification of the BS tested and the method used
which can either be the agar susceptibility method or the micro-broth dilution technique.
BSs, such as rhamnolipids at a concentration level of 1.12 mg/mL, caused an inhibition
zone similar to that in the present study, against several Gram-negative and -positive
bacterial pathogens [63]. The rhamnolipids were isolated and partially purified using a
method similar to that of the present study.
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Table 1. In Vitro antimicrobial activity of the partially purified biosurfactant against multidrug-
resistant pathogenic bacterial strains, using the agar susceptibility method.

Biosurfactant (mg/mL)
Antimicrobial Zone

Diameter (mm)

Klebsiella pneumoniae 1 9.0 ± 0.7
Pseudomonas aeruginosa 1 8.8 ± 0.8
Escherichia coli resistant 1 10.5 ± 1.5

Escherichia coli 1 8.8 ± 0.4
Enterococcus faecalis resistant 10 9.3 ± 2.2

Enterococcus faecalis 10 8.3 ± 1.9
Acinetobacter baumaniii 10 7.3 ± 5.3

Streptococcus pneumoniae 10 9.8 ± 1.0
Staphylococcus aureus 10 9.0 ± 0.8

Salmonella enterica 10 9.3 ± 0.5

Antimicrobial properties are more common for glycolipids or lipopeptides [62]. Most
of the biosurfactants which possess antimicrobial properties have usually been produced
from microorganisms isolated from contaminated and domestic sites [66]. Similarly,
P. citronellolis 620C was isolated from a tank containing drilling waste.

The antimicrobial activity of BSs relies on the outer membrane of pathogens, which
can be disrupted by the hydrophobic domain of the BSs, thus, breaking the structure of
microorganisms and disabling pathogen activity. Therefore, the current BS has the potential
to act as an alternative natural antibiotic, when tested against human cells. Furthermore, the
current BS also has the potential to act as a disinfectant. Disinfectants are chemical means
employed to inactivate pathogens, which are not inhibited anymore due to antimicrobial
resistance [67]. Thus, further research on the toxicity of the BS to human skin and metabolic
pathways is necessary to establish its antibiotic or disinfectant potential.

Although in recent years several studies on the antimicrobial activity of BSs have been
performed, such studies are debated. This is because of the diversity of methodologies
which have been employed to establish the activity and the different purity levels of the
examined BSs. Upon use of the agar susceptibility method, Das et al., 2008a [62] provided
a solution of the partially purified BS in methanol. The latter could be the main factor for
bacterial pathogens lethality in that study. Furthermore, in other studies, the concentration
of the BS used to determine antimicrobial activity was not mentioned, such as that of
Ilori et al. (2008) [68]. Over recent years, materials and methods analysis of antimicrobial
activity has become more detailed.

It has to be pointed out, that the majority of the studies found by the author exploit the
antimicrobial activity of the purified BS acquired through the solvent extraction method
described in Section 2.5. Therefore, biological activity can be attributed to the presence of
several compounds, which may act synergistically, enabling antimicrobial action. Further
purification of the BS may enhance antimicrobial properties. This is achieved through
the exhaustive use of solvents and extraction steps [69] which, however, greatly increases
the cost of the bioprocess, rendering down-stream processing unattractive. In the present
study, the antimicrobial potential of the partially purified BS was examined, without further
purification steps, leading to promising results and a promising, less-costly, down-stream
processing method of the BS. However, further research on the purity, chemical structure
and identification is necessary.

3.7. MIC of the Biosurfactant

The commonly used halo technique, using the agar disc diffusion method, was em-
ployed to determine the MIC of the BS (Table 2). The partially purified BS was extracted
from the P. citronellolis 620C culture using 1% (v/v) DCF. The solution of the BS was able
to inhibit bacterial growth in concentrations as low as 0.25 mg/mL. K. pneumoniae was
affected at such a low BS concentration. P. aeruginosa, E. coli resistant and E. coli were ob-
served to be inhibited at a relatively higher BS concentration (0.5 mg/mL). The BS inhibited
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the E. faecalis and S. enterica at concentrations as low as 5 mg/mL. However, in the agar
plate of E. faecalis, only one out of four discs impregnated with BS solution showed an
inhibition zone, resulting in a high SD (Table 2). Furthermore, A. baumaniii, S. pneumoniae
and S. aureus were inhibited at relatively higher concentrations of 10 mg/mL. It was noticed
that the Gram-positive pathogens were more resilient and insensitive to the BS solution,
compared to the Gram-negative strains. Specifically, at least five and in most cases 10 times
more BS solution was needed to inhibit these multi-drug resistant bacteria. This could be
attributed to their structure, whereby the cell wall is relatively harder to break, compared
to that of the Gram-negative bacteria. Interestingly, a higher dose of the BS solution was
essential to observe inhibition of the Gram-negative A. baumaniii, demonstrating the high
resistance of the pathogen [70], but also the importance of the antimicrobial activity of
the current BS, which can efficiently inhibit the growth of this emerging pathogen. The
differences observed in the sensitivity of the pathogens to the BS do not only depend on
the composition of the BS. The antimicrobial activity, except of the purity of the BS, may
also be influenced by the nutritional and environmental conditions, and adaptation of the
bacterial pathogens [71].

Table 2. Minimum inhibitory concentration (MIC) of the partially purified BS against multidrug-resistant pathogenic
bacterial strains, using the agar susceptibility method.

Antimicrobial Zone Diameter (mm)

Biosurfactant (mg/mL): 10 5 1 0.5 0.25 0.1

Klebsiella pneumoniae - - 9.0 ± 0.7 8.0 ± 0.0 7.0 ± 0.0 0.0 ± 0.0
Pseudomonas aeruginosa - - 8.8 ± 0.8 8.5 ± 0.6 0.0 ± 0.0 0.0 ± 0.0
Escherichia coli resistant - - 10.5 ± 1.5 7.3 ± 0.5 0.0 ± 0.0 0.0 ± 0.0

Escherichia coli - - 8.8 ± 0.4 0.0 ± 0.0 0.0 ± 0.0 0.0 ± 0.0
Enterococcus faecalis resistant 9.3 ± 2.2 0.0 ± 0.0 0.0 ± 0.0 - - -

Enterococcus faecalis 8.3 ± 1.9 1.8 ± 3.5 0.0 ± 0.0 - - -
Acinetobacter baumaniii 7.3 ± 5.3 0.0 ± 0.0 0.0 ± 0.0 - - -

Streptococcus pneumoniae 9.8 ± 1.0 0.0 ± 0.0 0.0 ± 0.0 - - -
Staphylococcus aureus 9.0 ± 0.8 0.0 ± 0.0 0.0 ± 0.0 - - -

Salmonella enterica 9.3 ± 0.5 8.3 ± 1.9 0.0 ± 0.0 - - -

MIC may be performed for highly pure BSs, such as rhamnolipids, reaching 99%
purity [64]. Despite the purity level, the inhibition zone observed against E. coli, S. aureus
and S. enterica is similar to that of the current study. The inhibition zone against E. coli
strains was also similar to other studies such as Onbasli & Aslim (2008) [72].

4. Conclusions

In the current study, (i) a novel BS-producing microorganism was isolated from a waste
site, (ii) BS formation was a result of DW biodegradation, (iii) an optimization strategy of
BS production was explored through supplementation of iron forms, which led to a great
production enhancement upon induction with 0.1 mM. Among FeSO4, FeCl3 and Fe(NO3)3,
addition of FeCl3 resulted in the highest increase in both BS, microbial growth and DW
biodegradation. Use of a waste stream as substrate may result in a significant reduction
in the bioprocess cost. The partially purified BS has promising antimicrobial potential
against several Gram-negative and -positive multi-drug resistant bacterial pathogens.
Hence, as no extra purification steps are necessary, a reduction in down-stream processing
costs is possible. Preliminary characterization of the aforementioned BS via a number of
analytical methods established its thermostability, low crystallinity and the presence of a
peptide structure. The BS hereby produced and studied appears to have great potential in
biomedical and environmental biotechnological applications.

19



Processes 2021, 9, 686

Supplementary Materials: The following are available online at https://www.mdpi.com/article/10
.3390/pr9040686/s1, Figure S1: Bacterial growth and % COD removal upon biodegradation of 5 and
10% (v/v) DCF, Table S1: Top 10 hits of the BLAST results.

Author Contributions: A.T.: conceptualization, methodology, investigation, experimentation, vali-
dation, writing original manuscript, reviewing, editing. K.S.: methodology, investigation, experi-
mentation for extraction of the BS, iron forms effect, antimicrobial properties of BS. M.P.: methodol-
ogy, investigation, experimentation for extraction of the BS, iron forms effect. L.K.: methodology,
TGA/DTA analysis. I.R.: methodology, XRD analysis, reviewing and editing of the manuscript. I.I.:
methodology, TGA/DTA and XRD analysis, reviewing and editing of the manuscript. E.P. (Erato
Papageorgiou): methodology, FTIR analysis. E.P. (Eftychia Pinakoulaki): methodology, FTIR analysis,
writing of FTIR results, reviewing and editing of the manuscript. All authors have read and agreed
to the published version of the manuscript.

Funding: This research was funded by University of Cyprus, Cyprus. The APC was funded by the
Department of Civil and Environmental Engineering, University of Cyprus, Cyprus.

Institutional Review Board Statement: Not applicable.

Informed Consent Statement: Not applicable.

Data Availability Statement: Data available on request due to privacy restrictions. The data pre-
sented in this study are available on request from the corresponding author.

Acknowledgments: The corresponding author would like to thank IESC Ltd. (Limassol, Cyprus) for
providing the drilling waste. Furthermore, the corresponding author would like to thank researcher
Anna Korelidou for providing the multi-drug resistant strains isolated from the municipal wastewater
treatment of Limassol and the University of Cyprus for financial support.

Conflicts of Interest: The authors declare no conflict of interest.

References

1. Hemlata, B.; Selvin, J.; Tukaram, K. Optimization of iron chelating biosurfactant production by Stenotrophomonas maltophilia
NBS-11. Biocatal. Agric. Biotechnol. 2015, 4, 135–143. [CrossRef]

2. Liu, J.; Vipulanandan, C.; Cooper, T.F.; Vipulanandan, G. Effects of Fe nanoparticles on bacterial growth and biosurfactant
production. J. Nanoparticle Res. 2013, 15, 1–13. [CrossRef]

3. Banat, I.M.; Makkar, R.S.; Cameotra, S.S. Potential commercial applications of microbial surfactants. Appl. Microbiol. Biotechnol.
2000, 53, 495–508. [CrossRef]

4. Naughton, P.; Marchant, R.; Naughton, V.; Banat, I. Microbial biosurfactants: Current trends and applications in agricultural and
biomedical industries. J. Appl. Microbiol. 2019, 127, 12–28. [CrossRef] [PubMed]

5. Dhiman, R.; Meena, K.R.; Sharma, A.; Kanwar, S.S. Biosurfactants and their Screening Methods Biosurfactants and their Screening
Methods. Res. J. Recent Sci. 2016, 5, 1–6.

6. Shekhar, S.; Sundaramanickam, A.; Balasubramanian, T. Biosurfactant Producing Microbes and their Potential Applications:
A Review. Crit. Rev. Environ. Sci. Technol. 2015, 45, 1522–1554. [CrossRef]

7. Markande, A.R.; Patel, D.; Varjani, S. A review on biosurfactants: Properties, applications and current developments. Bioresour.
Technol. 2021, 330, 124963. [CrossRef] [PubMed]

8. Smith, M.L.; Gandolfi, S.; Coshall, P.M.; Rahman, P.K.S.M. Biosurfactants: A Covid-19 Perspective. Front. Microbiol. 2020, 11, 1341.
[CrossRef] [PubMed]

9. Franzetti, A.; Gandolfi, I.; Bestetti, G.; Smyth, T.J.P.; Banat, I.M. Production and applications of trehalose lipid biosurfactants. Eur.
J. Lipid Sci. Technol. 2010, 112, 617–627. [CrossRef]

10. Kaskatepe, B.; Yildiz, S. Rhamnolipid Biosurfactants Produced by Pseudomonas Species. Braz. Arch. Biol. Technol. 2016, 59, 1–16.
[CrossRef]

11. Jimoh, A.A.; Lin, J. Biosurfactant: A new frontier for greener technology and environmental sustainability. Ecotoxicol. Environ. Saf.
2019, 184, 109607. [CrossRef] [PubMed]

12. Santos, D.K.; Rufino, R.D.; Luna, J.M.; Santos, V.A.; Salgueiro, A.A.; Sarubbo, L.A. Synthesis and evaluation of biosurfactant
produced by Candida lipolytica using animal fat and corn steep liquor. J. Pet. Sci. Eng. 2013, 105, 43–50. [CrossRef]

13. Onwukwe, S.I.; Nwakaudu, M.S. Drilling Wastes Generation and Management Approach. Int. J. Environ. Sci. Dev. 2012, 3,
252–257. [CrossRef]

14. Karlapudi, A.P.; Venkateswarulu, T.; Tammineedi, J.; Kanumuri, L.; Ravuru, B.K.; Dirisala, V.R.; Kodali, V.P. Role of biosurfactants
in bioremediation of oil pollution-a review. Petroleum 2018, 4, 241–249. [CrossRef]

15. Yan, P.; Lu, M.; Yang, Q.; Zhang, H.-L.; Zhang, Z.-Z.; Chen, R. Oil recovery from refinery oily sludge using a rhamnolipid
biosurfactant-producing Pseudomonas. Bioresour. Technol. 2012, 116, 24–28. [CrossRef]

20



Processes 2021, 9, 686

16. Elshafie, A.E.; Joshi, S.J.; Al-Wahaibi, Y.M.; Al-Bemani, A.S.; Al-Bahry, S.N.; Al-Maqbali, D.; Banat, I.M. Sophorolipids Production
by Candida bombicola ATCC 22214 and its Potential Application in Microbial Enhanced Oil Recovery. Front. Microbiol. 2015,
6, 1324. [CrossRef]

17. Datta, P.; Tiwari, P.; Pandey, L.M. Isolation and characterization of biosurfactant producing and oil degrading Bacillus subtilis
MG495086 from formation water of Assam oil reservoir and its suitability for enhanced oil recovery. Bioresour. Technol. 2018, 270,
439–448. [CrossRef]

18. Kiran, G.S.; Nishanth, L.A.; Priyadharshini, S.; Anitha, K.; Selvin, J. Effect of Fe nanoparticle on growth and glycolipid
biosurfactant production under solid state culture by marine Nocardiopsissp. MSA13A. BMC Biotechnol. 2014, 14, 48. [CrossRef]
[PubMed]

19. Jimoh, A.A.; Lin, J. Enhancement of Paenibacillus sp. D9 Lipopeptide Biosurfactant Production Through the Optimization of
Medium Composition and Its Application for Biodegradation of Hydrophobic Pollutants. Appl. Biochem. Biotechnol. 2019, 187,
724–743. [CrossRef]

20. Haferburg, G.; Kothe, E. Microbes and metals: Interactions in the environment. J. Basic Microbiol. 2007, 47, 453–467. [CrossRef]
[PubMed]

21. Sambrook, J.; Fritsch, E.F.; Maniatis, E. Molecular Cloning: A Laboratory Manual; Cold Spring Harbour Press: Cold Spring Harbor,
NY, USA, 1989.

22. Suryanti, V.; Marliyana, S.D.; Handayani, D.S.; Ratnaningrum, D. Production and characterization of biosurfactant by pseu-
domonas fluorescens using cassava flour wastewater as media. Indones. J. Chem. 2013, 13, 229–235. [CrossRef]

23. De Rienzo, M.A.D.; Stevenson, P.; Marchant, R.; Banat, I.M. Antibacterial properties of biosurfactants against selected Gram-
positive and -negative bacteria. FEMS Microbiol. Lett. 2016, 363, fnv224. [CrossRef] [PubMed]

24. Desai, J.D.; Banat, I.M. Microbial production of surfactants and their commercial potential. Microbiol. Mol. Biol. Rev. 1997, 61,
47–64. [CrossRef]

25. Huck-Iriart, C.; De-Candia, A.; Rodriguez, J.; Rinaldi, C. Determination of Surface Tension of Surfactant Solutions through
Capillary Rise Measurements: An Image-Processing Undergraduate Laboratory Experiment. J. Chem. Educ. 2016, 93, 1647–1651.
[CrossRef]

26. Eldin, A.M.; Kamel, Z.; Hossam, N. Isolation and genetic identification of yeast producing biosurfactants, evaluated by different
screening methods. Microchem. J. 2019, 146, 309–314. [CrossRef]

27. Wang, Q.; Fang, X.; Bai, B.; Liang, X.; Shuler, P.J.; Iii, W.A.G.; Tang, Y. Engineering bacteria for production of rhamnolipid as an
agent for enhanced oil recovery. Biotechnol. Bioeng. 2007, 98, 842–853. [CrossRef] [PubMed]

28. Remus-Emsermann, M.N.; Schmid, M.; Gekenidis, M.-T.; Pelludat, C.; Frey, J.E.; Ahrens, C.H.; Drissner, D. Complete genome
sequence of Pseudomonas citronellolis P3B5, a candidate for microbial phyllo-remediation of hydrocarbon-contaminated sites.
Stand. Genom. Sci. 2016, 11, 1–12. [CrossRef] [PubMed]

29. Zheng, D.; Wang, X.; Wang, P.; Peng, W.; Ji, N.; Liang, R. Genome Sequence of Pseudomonas citronellolis SJTE-3, an Estrogen-
and Polycyclic Aromatic Hydrocarbon-Degrading Bacterium. Genome Announc. 2016, 4, 16–17. [CrossRef] [PubMed]

30. Oso, S.; Walters, M.; Schlechter, R.O.; Remus-Emsermann, M.N.P. Utilisation of hydrocarbons and production of surfactants by
bacteria isolated from plant leaf surfaces. FEMS Microbiol. Lett. 2019, 366, 1–10. [CrossRef]

31. Singh, P.; Tiwary, B.N. Isolation and characterization of glycolipid biosurfactant produced by a Pseudomonas otitidis strain
isolated from Chirimiri coal mines, India. Bioresour. Bioprocess. 2016, 3, 42. [CrossRef]

32. Ron, E.Z.; Rosenberg, E. Biosurfactants and oil bioremediation. Curr. Opin. Biotechnol. 2002, 13, 249–252. [CrossRef]
33. Haidar, C.N.; Pereira, M.M.; Lima, Á.S.; Nerli, B.B.; Malpiedi, L.P. Biosurfactants produced by Pseudomonas syringae pv tabaci:

A versatile mixture with interesting emulsifying properties. Process. Biochem. 2020, 97, 121–129. [CrossRef]
34. Meliani, A. Enhancement of Hydrocarbons Degradation by Use of Pseudomonas Biosurfactants and Biofilms. J. Pet. Environ.

Biotechnol. 2014, 05, 1–7. [CrossRef]
35. Rosenberg, E.; Ron, E.Z. Biosurfactants. In The Prokaryotes: Applied Bacteriology and Biotechnology; Rosenberg, E.F., DeLong, S.,

Lory, E., Stackebrandt, F., Thompson, E., Eds.; Springer: Berlin/Heidelberg, Germany, 2013; pp. 281–294. [CrossRef]
36. Abouseoud, M.; Maachi, R.; Amrane, A.; Boudergua, S.; Nabi, A. Evaluation of different carbon and nitrogen sources in

production of biosurfactant by Pseudomonas fluorescens. Desalination 2008, 223, 143–151. [CrossRef]
37. Bak, F.; Bonnichsen, L.; Jørgensen, N.O.G.; Nicolaisen, M.H.; Nybroe, O. The biosurfactant viscosin transiently stimulates

n-hexadecane mineralization by a bacterial consortium. Appl. Microbiol. Biotechnol. 2015, 99, 1475–1483. [CrossRef]
38. Ismail Isa, T.; Ngoshe, I.Y.; Gajere, H.M. Biosurfactant Production by Bacteria Isolated from Hydrocarbon-impacted soil. Bioremed.

Sci. Technol. Res. 2019, 6, 4–8.
39. Jacques, R.J.S.; Santos, E.C.; Haddad, R.; Catharino, R.R.; Eberlin, M.N.; Bento, F.M.; Camargo, F.A.D.O. Mass spectrometry

analysis of surface tension reducing substances produced by a pah-degrading Pseudomonas citronellolis strain. Braz. J. Microbiol.
2008, 39, 353–356. [CrossRef]

40. Santos, E.C.; Jacques, R.J.; Bento, F.M.; Peralba, M.D.C.R.; Selbach, P.A.; Sá, E.L.; Camargo, F.A. Anthracene biodegradation and
surface activity by an iron-stimulated Pseudomonas sp. Bioresour. Technol. 2008, 99, 2644–2649. [CrossRef]

41. Wei, Y.-H.; Wang, L.-F.; Changy, J.-S.; Kung, S.-S. Identification of induced acidification in iron-enriched cultures of Bacillus
subtilis during biosurfactant fermentation. J. Biosci. Bioeng. 2003, 96, 174–178. [CrossRef]

21



Processes 2021, 9, 686

42. Andrews, S.C.; Robinson, A.K.; Rodrı́guez-Quiν͂ones, F. Bacterial iron homeostasis. FEMS Microbiol. Rev. 2003, 27, 215–237.
[CrossRef]

43. Dinkla, I.J.T.; Gabor, E.M.; Janssen, D.B. Effects of Iron Limitation on the Degradation of Toluene by Pseudomonas Strains
Carrying the TOL (pWWO) Plasmid. Appl. Environ. Microbiol. 2001, 67, 3406–3412. [CrossRef]

44. Dinkla, I.; Janssen, D. Simultaneous Growth on Citrate Reduces the Effects of Iron Limitation during Toluene Degradation in
Pseudomonas. Microb. Ecol. 2003, 45, 97–107. [CrossRef]

45. Wei, Y.-H.; Chu, I.-M. Enhancement of surfactin production in iron-enriched media by bacillus subtilis ATCC 21332. Enzym.
Microb. Technol. 1998, 22, 724–728. [CrossRef]

46. Makkar, S.C.R. An update on the use of unconventional substrates for biosurfactant production and their new applications. Appl.
Microbiol. Biotechnol. 2002, 58, 428–434. [CrossRef]

47. Kiran, G.S.; Thomas, T.A.; Selvin, J. Production of a new glycolipid biosurfactant from marine Nocardiopsis lucentensis MSA04 in
solid-state cultivation. Colloids Surf. B Biointerfaces 2010, 78, 8–16. [CrossRef]

48. Dunham, N.P.; Arnold, F.H. Nature’s Machinery, Repurposed: Expanding the Repertoire of Iron-Dependent Oxygenases. ACS
Catal. 2020, 10, 12239–12255. [CrossRef]

49. Ismail, A.R.; Alias, A.H.; Sulaiman, W.R.W.; Jaafar, M.Z.; Ismail, I. Drilling fluid waste management in drilling for oil and gas
wells. Chem. Eng. Trans. 2017, 56, 1351–1356. [CrossRef]

50. De Almeida, D.G.; Silva, R.D.C.F.S.D.; Luna, J.M.; Rufino, R.D.; Santos, V.A.; Banat, I.M.; Sarubbo, L.A. Biosurfactants: Promising
Molecules for Petroleum Biotechnology Advances. Front. Microbiol. 2016, 7, 1718. [CrossRef] [PubMed]

51. Barth, A. Infrared spectroscopy of proteins. Biochim. Biophys. Acta (BBA) Bioenerg. 2007, 1767, 1073–1101. [CrossRef] [PubMed]
52. Moldes, A.B.; Paradelo, R.; Vecino, X.; Cruz, J.M.; Gudiña, E.; Rodrigues, L.; Teixeira, J.A.; Domínguez, J.M.; Barral, M.T.

Partial Characterization of Biosurfactant fromLactobacillus pentosusand Comparison with Sodium Dodecyl Sulphate for the
Bioremediation of Hydrocarbon Contaminated Soil. BioMed Res. Int. 2013, 2013, 1–6. [CrossRef] [PubMed]

53. Derenne, A.; Derfoufi, K.-M.; Cowper, B.; Delporte, C.; Goormaghtigh, E. FTIR spectroscopy as an analytical tool to compare
glycosylation in therapeutic monoclonal antibodies. Anal. Chim. Acta 2020, 1112, 62–71. [CrossRef] [PubMed]

54. Krilov, D.; Balarin, M.; Kosovic, M.; Gamulin, O.; Brnjas-Kraljević, J. FT-IR spectroscopy of lipoproteins—A comparative study.
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Abstract: Coal mining produces large quantities of discard that is stockpiled in large dumps.
This stockpiled material, termed coal discard, poses an environmental threat emphasising the need for
appropriate bioremediation. Here, metagenomic analysis of the 16S rRNA from ten coal-degrading
strains previously isolated from coal slurry from discard dumps and from the rhizosphere of
diesel-contaminated sites was used to establish genetic relatedness to known plant growth-promoting
(PGP) bacteria in the NCBI database. Measurement of indole and ammonium production and
solubilisation of P and K were used to screen bacteria for PGP characteristics. BLAST analysis
revealed ≥ 99% homology of six isolates with reference PGP strains of Bacillus, Escherichia, Citrobacter,
Serratia, Exiguobacterium and Microbacterium, while two strains showed 94% and 91% homology with
Proteus. The most competent PGP strains were Proteus strain ECCN 20b, Proteus strain ECCN 23b and
Serratia strain ECCN 24b isolated from diesel-contaminated soil. In response to L-trp supplementation,
the concentration of indolic compounds (measured as indole-3-acetic acid) increased. Production of
ammonium and solubilisation of insoluble P by these strains was also apparent. Only Serratia
strain ECCN 24b was capable of solubilising insoluble K. Production of indoles increased following
exposure to increasing aliquots of coal discard, suggesting no negative effect of this material on indole
production by these coal-degrading bacterial isolates and that these bacteria may indeed possess
PGP characteristics.

Keywords: coal discard; diesel-contaminated soil; discard dumps; biodegradation; phylogeny;
plant growth-promoting bacteria

1. Introduction

Coal is a hydrophobic, highly porous and heterogeneous sedimentary rock mined for its
energy content. It is classified according to the degree of aromaticity and ranked as either lignite,
(sub)-bituminous coal or anthracite [1,2]. Physically, it is a material with a hardness scale of up to 3
Mohs for anthracite and classified as naturally recalcitrant [3,4]. Chemically, it is a complex mixture of
aromatic, heterocyclic and aliphatic carbonaceous constituents, hence the high calorific value. In South
Africa, residual coal and other materials of very low energy content are stockpiled in discard dumps.
These discard dumps are numerous and a major source and contributor of pollutants (e.g., particulate
matter, heavy metals, acid leachate, etc.) to the surrounding environment including the atmosphere
and water bodies and, as a consequence, threaten the environment, human health and quality of
life [5,6]. Not surprisingly, there is an urgent need for intervention [7]. Although attempts to stabilise
these dumps by cultivation of cover crops does occur once mining is complete [8], a major oversight in
developing rehabilitation strategies has been the apparent omission of biotic factors that underpin
successful and sustainable revegetation. Recently, it was demonstrated that successful rehabilitation
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and vegetation of discard dumps can be achieved by exploiting the mutualism between coal-degrading
microorganisms, mycorrhizal fungi and grasses [8].

Coal mining not only visibly disrupts the aesthetics of a landscape but also disrupts all of
the soil components including soil horizons, structure, microorganisms and nutrient cycles that
are crucial to sustaining a healthy ecosystem [9,10]. While a number of fungi show potential as
rehabilitation biocatalysts and degrade coal into a soil-like humic-rich material [11–18], the only
candidate enzymes identified and functionally characterised from coal-degrading fungi so far are
laccase and esterase. Heterologous expression of Fusarium oxysporum laccase in Pichia pastoris was
shown to depolymerise and liquefy solubilised brown coal with the release of humic and fulvic
acids [18]. By comparison, the Penicillium decumbens P6 esterase depolymerised lignite resulting in
increased formation of low-molecular mass humic acids with lower-percentage aromatic carbon but
higher-percentage aliphatic carbon [19].

Bacterial conversion of coal, by comparison, has typically been to derive clean fuels and
chemicals by developing environmentally sound energy-saving processes that do not cause secondary
pollution [20,21]. While numerous studies on bacterial solubilisation and degradation of coal by different
species of bacteria have been forthcoming, the underlying biochemical and molecular mechanisms
involved are not yet fully understood [22,23]. Even so, numerous studies have revealed a role for bacteria
in the degradative assimilation of petroleum hydrocarbons such as polynuclear aromatic hydrocarbons
(PAHs), naphthalene, the monoaromatic hydrocarbons such as toluene and aliphatic hydrocarbons
such as the n-alkanes [24,25]. These hydrocarbons are well represented in the naturally complex
and highly aromatic coal structure and are also readily available in petroleum-contaminated soil
environments [7]. Indeed, several recent extensive reviews on the subject have been published [26,27]
and the potential for plant–bacteria partnerships in the remediation of hydrocarbon-contaminated soil
has been proposed [28,29]. Bacterial conversion and utilisation of coal, though generally influenced
by environmental conditions such as temperature and pH, are dependent mainly on the type of
coal and microorganism used [29] and similar to fungal biodegradation, the mechanisms seem
to involve solubilisation, depolymerisation and degradative assimilation [7]. Bio-solubilisation is
by alkaline substances, chelators and/or surfactants, whereas depolymerisation and liquefication
likely entail oxidoreductases such as peroxidases and laccases, and hydrolases [30]. Under aerobic
conditions, coal is oxidised by both biotic and abiotic processes to a weathered material rich in
humic substances [31]. Under anaerobic conditions, a sequence of primary and secondary bacterial
fermenters depolymerise and metabolise coal, providing a diverse range of short-chain organic acids
and alcohols [32]. These low-molecular weight organic compounds serve as substrates for other
consortia of microorganisms such as acetogens and methanogens [33–36]. In spite of many studies
on the coal-degrading potential of bacteria, there remain limitations in phenotypic identification and
the identification of other beneficial properties of these bacteria such as plant growth promotion.
Modern molecular approaches, including analysis of PCR-amplified 16S rRNA gene sequences,
have provided some insight into the identity, characterisation and phylogenetic classification of
microorganisms capable of degrading and/or utilising coal [37–39]. To our knowledge, bacterial isolates
from South African environments with coal-degrading capability have neither been extensively
explored nor characterised genotypically.

An earlier bioprospecting study allowed for selected bacterial isolates with coal biodegradation
potential to be characterised [40], but a more detailed biochemical and genetic analysis has yet to
be described. Furthermore, screening of these coal-degrading bacteria for plant growth-promoting
(PGP) characteristics has not previously been the subject of study. Defined as a class of microorganism
that occupy the rhizosphere to promote plant growth, PGP bacteria are from diverse genera, display
properties such as phytohormone production, siderophore and phosphate solubilisation activity,
ACC deaminase activity and enhance plant productivity [41]. Typical uses are as inoculants for
biostimulation, biocontrol and biofertilisation in agriculture and phytoremediation. In light of this
background, the present study sought to establish, first, the genetic relatedness of these isolates to the
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diverse array of PGP bacteria contained in the established NCBI database and, second, screen these
coal-degrading strains for characteristics typically displayed by PGP bacteria. An ability to mineralise
phosphate and potassium and to produce ammonium and indoles (including the phytohormone,
indole-3-acetic acid) was the criteria used in this study to determine bacterial PGP potential.

2. Materials and Methods

2.1. Bacterial Strains

Bacterial strains used in this study were previously isolated from coal slurry obtained from coal
discard dumps at coal mines in Emalahleni (26◦0′0” S; 29◦10′0” E), Mpumalanga Province, South Africa,
and slurries of material from diesel-contaminated sites (at a depth of ~15 cm) collected either from
soil at mechanical workshops in Makhanda (33◦17′0” S; 26◦31′0” E) or from old tractor engines at
a farm in the Makana Local Municipality, Eastern Cape Province, South Africa (Table 1). Details of
strain isolation, molecular characterisation, coal biodegrading activity and deposit into an international
repository are recounted elsewhere [40].

Table 1. Bacterial strains with coal biodegrading activity isolated either from coal slurry (CS) or
diesel-contaminated sites (DCS).

Source
Bacterial Isolates and Assigned

Strain Number
Identity

(%)
Microbial Culture

Collection No.
GenBank Accession

No.
Length

(bp)

CS Citrobacter strain ECCN 19b 99 MCC0033 KC700328 372
CS Escherichia strain ECCN 25b 99 MCC0041 KC700329 382
CS Bacillus strain ECCN 26b 99 MCC0062 KC700330 450

DCS Bacillus strain ECCN 18b 98 MCC0034 KC620473 560
DCS Proteus strain ECCN 20b 94 MCC0027 KC620475 553
DCS Exiguobacterium strain ECCN 21b 99 MCC0016 KC620476 551
DCS Microbacterium strain ECCN 22b 99 MCC0042 KC620477 543
DCS Proteus strain ECCN 23b 91 MCC0022 KC620478 439
DCS Serratia strain ECCN 24b 99 MCC0021 KC620474 525
DCS Bacillus strain ECCN 41b 99 MCC0039 KC758162 392

2.2. Culture Conditions

Coal-degrading bacterial isolates, listed in Table 1, were resurrected from glycerol stock by culture
in nutrient broth (NB; 5 g L−1 peptone, 3 g L−1 yeast extract and 8 g L−1 NaCl) at 30 ◦C on a rotary
shaker (120 rpm) for 72 h. Then, aliquots of NB were transferred to nutrient agar (NA; 5 g L−1 peptone,
3 g L−1 yeast extract and 8 g L−1 NaCl and 15 g L−1 agar) plates and incubated at 30 ◦C for 24 to 48 h
to establish strain purity. Individual but distinct colonies were picked and inoculated into 40 mL of
freshly prepared NB, grown at 30 ◦C, and maintained in log phase.

2.3. Extraction and PCR Amplification of Genomic DNA

Extraction of total DNA was achieved using the ZR Fungal/Bacterial DNA Kit™ (Zymo Research,
Irvine, CA, USA) according to the manufacturer’s instructions. Target 16S rRNA regions were amplified
using DreamTaq™ DNA polymerase (Thermo Scientific™, Thermo Fisher Scientific, Waltham, MA,
USA) with the bacterial universal primers 27F (5′-AGAGTTTGATCMTGGCTCAG-3′) and 1492R
(5′-CGGTTACCTTGTTACGACTT-3′) as described by Lane et al. [42] and Turner et al. [43].

Sanger sequencing of the purified PCR products was carried out by Inqaba Biotechnical Industries
(Pty) Ltd., Hatfield, South Africa using the PRISM™ Ready Reaction Dye Terminator Cycle sequencing
kit using chain termination by the dideoxy-nucleotides methodology and electrophoresed on an
ABI PRISM® 3500XL DNA Sequencer (Applied Biosystems, Foster City, CA, USA) following the
manufacturer’s instructions. Resultant chromatograms were analysed (Chromas version 2.6.6) as
outlined in Technelysium [44], followed by pairwise alignment in BioEdit Sequence Alignment
Editor, version 7.0.5.3 [45], and the resultant gene sequences compared with those already deposited
(https://www.ncbi.nlm.nih.gov/).
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2.4. Phylogenetic Analysis

Phylogenetic analysis using the 16S rRNA sequences of the nine isolates and 32 reference nucleotide
sequences for PGP bacteria from the NCBI GenBank database was conducted. Multiple alignment
of nucleotide sequences was achieved using CLUSTALW as implemented in the BioEdit Sequence
Alignment Editor. A phylogenetic tree was constructed from the neighbour-joining method using
MEGA6 (Molecular Evolutionary Genetics Analysis Version 6.0) after calculating distances via the
Jukes–Cantor method [46]. Trees were bootstrapped using 1000 replications.

2.5. Screening for Plant Growth Promoting Characteristics

2.5.1. Ammonium Production

Production of ammonium (NH4
+) by the coal-degrading bacterial strains was determined using

peptone water and Nessler’s reagent (HgI4K2) as indicator. Peptone water containing 10 g of peptone
(Sigma-Aldrich, Millipore Sigma, St. Louis, MO) and 5 g of NaCl was prepared in 1 L distilled water
and autoclaved at 121 ◦C and 1.5 kg cm−2 for 15 min. Nessler’s reagent was prepared by suspending
in 100 mL of distilled water, 10 g of HgCl2, 7 g of KI and 16 g of NaOH. The bacterial inoculants
were added to flasks containing 40 mL PW and incubated on a rotary shaker at 30 ◦C for 3 d. After
incubation, 4 mL of each culture was harvested by centrifugation (3920× g for 3 min) and NH4

+

concentration of the supernatant quantified spectrophotometrically. For colorimetric assay of NH4
+,

to 2 mL aliquots of supernatant from each sample was added 0.2 mL of Nessler’s reagent and colour
development allowed to proceed for 5 min. Development of a brown colour was taken as a positive
indicator of NH4

+. For quantification, 1 mL was transferred to a cuvette and absorbance measured at
430 nm and results interpolated from a standard curve prepared using NH4Cl [47].

2.5.2. Indole-3-Acetic Acid Production

To determine the ability of the isolated bacterial strains to produce indole-3-acetic acid (IAA),
NB was supplemented with L-trp and the concentration of indolic compounds produced by
coal-degrading bacterial isolates determined using Salkowski’s reagent [48–50].

Aliquots, equivalent to 40 μL of bacterial suspension, were inoculated into NB supplemented
with L-trp (at either 0, 0.1, 0.5 and 1 g L−1) and incubated at 30 ◦C on a rotary shaker (120 rpm) for
72 h. After incubation, 4 mL of each culture was sedimented by centrifugation (3920× g for 3 min)
and the cell-free supernatant used for colorimetric quantification of IAA which was carried out as
follows: Two drops of 10 mM of orthophosphoric acid and 4 mL of Salkowski’s reagent (50 mL 35%
perchloric acid; and, 1.0 mL 0.5 M FeCl3 solution) were added to 2 mL cell-free supernatant, the mixture
incubated at room temperature for 20 min and absorbance measured at 530 nm. The quantity of indolic
compounds (expressed as IAA equivalents) was determined by interpolation from a standard curve of
authentic IAA (Sigma-Aldrich) and background subtracted to account for any interference from the
culture medium.

2.5.3. Solubilisation of Insoluble Phosphate and Potassium

Phosphate and potassium solubilisation activity was initially determined using pour plates of
either Pikovskayas agar (PVK) supplemented with tri-calcium phosphate (Ca3(PO4)2) or Aleksandrow
medium (AM) containing AlKO6Si2 as the respective substrates. Modified PVK agar was prepared
using 0.5 g of yeast extract, 10 g of glucose, 5 g of Ca3(PO4)2, 0.5 g of (NH4)2SO4, 0.2 g of KCl, 0.1 g
of MgSO4, 0.0001 g of MnSO4.H2O, 0.0001 g of FeSO4.7H2O and 15 g of agar in a total volume of
1 L of distilled water [46]. For the solubilisation of potassium by coal-degrading bacteria, AM was
prepared containing 0.5 g of MgSO4.7H2O, 0.1 g of CaCO3, 2 g of AlKO6Si2, 5 g of glucose, 0.005 g of
FeCl3.6H2O, 2 g of Ca3 (PO4)2 and 20 g of agar in 1 L of distilled water. An aliquot (5 μL) of bacterial
cell suspension was placed at 4 equidistant positions on either PVK or AM plates which were incubated
at 30 ◦C for periods up to 14 d. After incubation, Ca3(PO4)2 and AlKO6Si2 solubilising activity was
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determined by observation of clear zones around active bacterial colonies [51,52]. Phosphate and
potassium solubilising activity was quantified after inoculation of either liquid PVK or AM, prepared
as above but without agar, with equal quantities of bacterial suspension from cells in exponential phase.

Following incubation at 30 ◦C on a rotary shaker (120 rpm), cell suspensions were sedimented
by centrifugation (3920× g for 3 min) and the supernatant recovered for analysis. Ortho-phosphate
concentration was determined spectrophotometrically using a Phosphate Test kit (Merck KGaA,
Darmstadt, Germany) after 14 d while potassium concentration was measured after 9 d using sodium
tetra-phenylborate as described by Pflaum and Howick [53]. The final concentration of phosphate and
or potassium was determined by interpolation from standard curves prepared using ortho-phosphate
and KCl, respectively.

2.6. Effect of Coal Discard on Production of IAA

Geologically weathered coal was sourced and prepared to yield particles of approximately
0.2–0.5 mm in diameter and sterilised by freeze-thawing using liquid nitrogen as described earlier by
Olawale et al. [40]. Aliquots of dry sterilised coal (0–1 g) were added directly to seed cultures prepared
from stationery phase cells (i.e., OD600 0.4 after 3 d at 30 ◦C) of the specified coal-degrading strains.
Nutrient broth (40 mL) supplemented with L-trp and incubated at 30 ◦C on a rotary shaker (120 rpm)
for 3 d. Concentration of indolic compounds in solution was determined as described above after
background subtraction to account for any coal-derived indoles.

2.7. Statistical Analysis

All data were computed using the statistical function in Sigma Plot version 11 (Systat Software
Inc., San Jose, CA, USA). Where necessary, results were analysed by one-way analysis of variance
and significant differences between measurements for each treatment were determined (Holm–Sidak
method; p < 0.05). Data are presented as the mean of at least three determinations ± standard error (SE).

3. Results

3.1. Bacterial Genomes and Their Identification

Partial 16S rRNA genomes of varying lengths ranging from 372 to 560 bp were amplified and
sequenced from each of the resurrected coal-degrading bacterial strains previously isolated from coal
slurry and diesel-contaminated soil. The ten strains represent seven genera from three families. The most
abundant were Bacilliaceae and Enterobacteriaceae, each with four strains and one Microbacteriaceae
representative. Six isolates showed 99% sequence homology to reference strains that were confirmed
as Exiguobacterium (KC620476), Serratia (KC620474), Citrobacter (KC700328), Bacillus (KC758162 and
KC700330), Escherichia (KC700329) and Microbacterium (KC620477). One isolate, Bacillus (KC620473),
showed 98% sequence homology, whereas KC620475 and KC620478 were 94% and 91% homologous to
Proteus, respectively (Table 1). In this suite of previously identified coal-degrading bacterial strains,
the most prevalent genus was Bacillus, accounting for 30%. Strains of Proteus comprising 20% of the
isolates were the next most abundant and were from diesel-contaminated soil. Remaining strains were
confirmed to belong to the genera Escherichia, Citrobacter, Exiguobacterium, Serratia and Microbacterium.

3.2. Nucleotide Sequence and Phylogenetic Analysis

The coal-degrading bacterial isolates were further characterised following phylogenetic analysis
of sequence relatedness to PGP reference strain sequences within GenBank. Together with the selected
32 reference sequences from GenBank, our sequences revealed six distinct but associated clusters.
Eight (8) sequences clustered individually with their respective PGP bacteria relatives, with virtually
all showing 100% bootstrap support at the corresponding major nodes (Figure 1). However, strain
ECCN 19b (KC700328) which was from a coal environment, was the stand-out within a major cluster
consisting of the genera Proteus, Serratia and Citrobacter. Other sequences from strains within the same

29



Processes 2020, 8, 1111

cluster (KC620475 and KC620478) formed a distinct cluster with Proteus, and KC620474 clustered
distinctly within the Serratia clade (Figure 1). Although most clusters in the phylogenetic tree showed
high bootstrap values, strain ECCN 25b (KC700329) was excluded from the constructed phylogenetic
tree as it did not match closely with any of the available GenBank PGP reference sequences in relation
to source.

 
Figure 1. Phylogenetic tree showing relation between coal-degrading bacterial isolates (•) and
reference PGP strains contained in the NCBI GenBank database. GenBank accession numbers and the
corresponding taxonomic annotations are shown to the right of the strains. Bootstrap values of ≥70%
are shown at the nodes.

3.3. Plant Growth Promoting Characteristics

Production of ammonium and indolic compounds (measured as IAA equivalents) by the
coal-degrading bacterial strains Citrobacter ECCN 19b (KC700328), Proteus ECCN 20b (KC620475),
Exiguobacterium ECCN 21b (KC620476), Microbacterium ECCN 22b (KC620477), Proteus ECCN 23b
(KC620478), Serratia ECCN 24b (KC620474), Bacillus ECCN 26b (KC700330) and Bacillus ECCN 41b
(KC758162) and solubilisation of P and K were determined spectrophotometrically and the results are
shown in Figure 2.
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Figure 2. Screening of coal-degrading bacterial isolates for plant growth-promoting characteristics.
Estimates of ammonium production (a), indole production (b), phosphate (c) and potassium
solubilisation (d) by these bacterial isolates in stationary phase (OD600 = 0.4 at 30 ◦C) were determined
spectrophotometrically. Results are expressed as the mean ± S.E. Means denoted by a different letter
indicate significant differences relative to a negative control (p < 0.05).

Ammonium production appeared to be a common trait of the coal-degrading bacterial strains
evaluated for PGP characteristics (Figure 2a). Furthermore, whereas all of the strains produced above
background levels of indolic compounds (Figure 2b), Proteus ECCN 20b, Proteus ECCN 23b and Serratia
ECCN 24b produced substantial quantities in response to L-trp (0.5 g L−1) supplementation (Figure 2b).
Further, while it is accepted that mineral solubilisation can sometimes depend on the medium used [54],
results from this study show that while phosphate solubilisation was low for these coal-degrading
isolates, only one coal-degrading strain was unable to solubilise Ca3(PO4)2 (Figure 2c). By comparison,
Serratia strain ECCN 24b, and to a much lesser extent Citrobacter strain ECCN 19b and Exiguobacterium
strain ECCN 21b, were the only coal-degrading bacteria able to solubilise potassium from AlKO6Si2
(Figure 2d).

Indole-3-acetic acid is a common, naturally occurring plant hormone of the auxin class, is derived
from L-trp and is characteristically produced by many different PGP bacterial strains [55]. In an effort
to gain further insight into the relationship between IAA production and the PGP potential of these
coal-degrading bacterial strains, L-trp-activated IAA production by Proteus ECCN 20b, Proteus ECCN
23b and Serratia ECCN 24b was examined, firstly, in response to increasing concentrations of this indole
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precursor and, secondly, following exposure of L-trp-supplemented cultures to increasing amounts of
coal discard.

Results in Figure 3 clearly show that by increasing the concentration of L-trp supplied to cultures
of Proteus ECCN 20b, Proteus ECCN 23b and Serratia ECCN 24b, production of indolic compounds
including IAA, increased. Furthermore, these coal-degrading strains seemed equally competent in
terms of indole production in response to activation by L-trp supplementation. Mean medium indolic
compound concentration for the three strains increased from a mean minimum of 5.91 μg mL−1 in the
absence of L-trp to a mean maximum of 83.49 μg mL−1 IAA (equivalents) in response to 1 g L−1 L-trp
supplementation. The almost linear increase in medium indolic compound concentration (R2 = 0.93),
concomitant with increasing concentration of L-trp supplementation, appears to support the operation
of an L-trp-dependent pathway for indole/IAA production by these bacterial isolates.

Figure 3. Indolic compound formation by cultures of Proteus ECCN 20b, Proteus ECCN 23b and Serratia
ECCN 24b in response to increasing L-trp concentration. Results are from three experiments and
expressed as the mean ± S.E.

In view of the already established coal-biodegrading property of these strains, it was of interest to
examine the effect of coal discard on production of indolic compounds by cultures of Proteus strain
ECCN 20b, Proteus strain ECCN 23b and Serratia strain ECCN 24b. Increasing quantities of coal
discard were supplied to these isolates in liquid culture and the effect on L-trp-supplemented indolic
compound accumulation is shown in Figure 4.

Figure 4. Effect of coal discard on formation of indolic compounds by cultures of Proteus ECCN 20b,
Proteus ECCN 23b and Serratia ECCN 24b in response to L-trp supplementation. Results are from three
experiments and expressed as the mean ± S.E. Means denoted by a different letter indicate significant
differences within treatments (p < 0.05).
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Typically, screening for production of IAA by putative PGP bacteria is carried out using an
L-trp-supplemented medium [56,57]. Here, too, a L-trp-supplemented medium was used, and results
show that in the presence of coal discard, production of indoles was enhanced for all three of the
coal-degrading strains tested (Figure 4). In this experiment, coal was added to NB supplemented
with L-trp at 0.5 g L−1. In the absence of coal discard, formation of indoles averaged 53.34 μg mL−1

IAA for the three strains tested, an observation that was similar to and corroborated initial screening
studies (cf. Figure 2b). For strain ECCN 20b however, indole formation increased to 76.05, 82.96 and
82.33 μg mL−1 IAA in response to addition of 0.25, 0.5 and 1 g of coal discard, respectively (Figure 4).
A similar, albeit less dramatic, response was observed for strains ECCN 23b and ECCN 24b. Indeed,
coal discard above 0.5 g appeared to slow accumulation of indoles in all bacterial isolates tested.
Maximum IAA was thus achieved in response to 0.5 g-added coal discard, while competence for
production of indolic compounds by these strains appeared to be ECCN 20b > ECCN 23b > ECCN 24b.

4. Discussion

Molecular ecological studies involve separation of amplicons based on differences in DNA
nucleotide sequences and most often the 16S rRNA gene, which can then be analysed from complex
environments such as soil [58]. Databases thus generated yield invaluable information about
indicator species [59]. To determine the phylogenetic relationship between coal-degrading bacteria
isolated earlier [40] and the diverse array of PGP bacteria contained in the NCBI GenBank database,
basic bioinformatics was used to determine the genetic relatedness of the 16S rRNA gene sequences
while conventional biochemical assays were used to screen for putative PGP characteristics. Strains
from seven genera of coal-degrading bacterial isolates utilised in the present study showed ≥ 99%
homology with reference gene sequences of PGP bacteria contained in the NCBI GenBank database.
A < 1% deviation was attributed to the diversity of ecological niches from where the coal-degrading
isolates and reference PGP strains were sourced.

Biochemical screening for traits typically associated with PGP showed that the most competent
strains were those sourced from diesel-contaminated soil. These isolates were Proteus strain ECCN
20b, Proteus strain ECCN 23b and Serratia strain ECCN 24b. Interestingly, Serratia strain ECCN
24b, either alone or in consort with Citrobacter strain ECCN 19b and Exiguobacterium strain ECCN
21b, was previously shown to be most effective in coal bioconversion [40]. Furthermore, and in
corroboration with results from other studies, Serratia strain ECCN 24b was able to solubilise insoluble
phosphate [60,61] and potassium [62]. Recent studies have shown that the mineral-solubilising activity
for promotion of plant growth is typically associated with the production of organic acids which,
for strains of Serratia spp., appears to include gluconic and lactic acid [63].

In addition to the liberation of mineral nutrients, production of indolic compounds by Proteus
strain ECCN 20b, Proteus strain ECCN 23b and Serratia strain ECCN 24b in L-trp-supplemented
medium was substantial relative to the other coal-degrading bacterial isolates screened and increased
linearly with an increase in L-trp concentration. Production of the plant hormone IAA and other
indoles by bacteria is a long held and accepted view, in particular for microorganisms that inhabit
subterranean plant surfaces [64–67]. Indeed, bacterial IAA biosynthesis can be either trp-dependent or
independent [68] and results from the present study would seem to support the formation of indolic
compounds by Proteus strain ECCN 20b, Proteus strain ECCN 23b and Serratia strain ECCN 24b via
L-trp. Coal-degrading isolates that display a weak response to L-trp supplementation may either
be non-responsive or produce indole by a trp-independent route. In higher plants like Arabidopsis
thaliana and Zea mays, the major biosynthetic pathway to IAA is not via trp but seems to be from an
earlier intermediate such as anthranilate [69]. Further, several studies have confirmed formation by
bacteria of methyl anthranilate via chorismite in a single-step conversion of anthranilate to its methyl
ester metabolite catalysed by an S-adenosyl-L-methionine (SAM)-dependent methyltransferase [70,71].
Whether a similar pathway operates in the coal-degrading strains that were unresponsive to L-trp
supplementation in the present study is currently unknown.
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Additionally, exposure of Proteus strain ECCN 20b, Proteus strain ECCN 23b and Serratia strain
ECCN 24b to coal discard resulted in an apparent dose-dependent increase in the formation of
indolic compounds. While indoles are a component of carbonised coal, e.g., coal tar and coke [72],
and pyrolysates of Leonardite humic acids [73], they are not readily liberated from hard coal or coal
discard, and in this study were undetectable in samples used to background correct for possible
contribution to spectrophotometric quantitation using Salkowski’s reagent.

In addition to the well-established PGP properties of Serratia spp. [74–77] and their ability to
degrade the coal distillation product creosote [78], several promising PGP rhizobacterial strains of
Proteus spp. have been isolated from the rhizosphere of rice [79–81], wild grass [82], a halophytic
glasswort [83,84] and a nematocidal strain of P. penneri obtained from cow dung [85]. This genus
was also relatively well represented (20%) among the coal-degrading isolates utilised in this study
and strains ECCN 20b and ECCN 23b, isolated from diesel-contaminated soil. There are numerous
reports of hydrocarbon-degrading strains of Proteus spp. from soils [86–88], whereas, to our knowledge,
the strains described here represent the first reported Proteus isolates with PGP potential capable
of degrading coal. While there is reported evidence for isolation of Proteus spp. from diverse
soil environments including isolates with heavy metals tolerance [89–91] and xenobiotic-degrading
capability [92,93], no coal-degrading strains have been documented. However, at least one report
indicates that a strain isolated from two different ranks of coal was unable to degrade lignin [94].

5. Conclusions

Our goal in the present study was to determine the genetic relatedness of coal-degrading
bacterial strains isolated from the rhizosphere of grasses growing on coal discard dumps and from
diesel-contaminated sites to sequences of known PGP isolates contained in the NCBI GenBank database.
We then determined the potential functionality of this relatedness by screening for PGP characteristics.
Analysis of PCR-amplified 16S rRNA gene sequences from the seven genera of coal-degrading bacteria
showed >99% homology to 32 sequences of known PGP strains from the NCBI GenBank database
representing three families viz. four strains from each of the Bacilliaceae and Enterobacteriaceae
and one strain from the Microbacteriaceae. The Gram-negative isolates Proteus strain ECCN 20b,
Proteus strain ECCN 23b and Serratia strain ECCN 24b, all from Enterobacteriaceae and isolated from
diesel-contaminated soil, were shown to be competent for PGP characteristics using the biochemical
parameters described in this study. Thus, while all strains were competent for ammonium and indole
compound production, and solubilisation of insoluble phosphate, only Proteus strain ECCN 20b,
Proteus strain ECCN 23b and Serratia strain ECCN 24b responded to the L-trp-supplemented medium
by substantial accumulation of indolic compounds. Further, for these strains, indole compound
accumulation in response to L-trp supplementation was linear with increasing L-trp concentration and
not negatively affected in the presence of coal discard. Even so, it remains to be determined whether
bioconversion of coal can occur with simultaneous production of indole compounds and in particular
the auxin, IAA.

Further screening is therefore needed to expand our knowledge of the suite of PGP properties of
the coal-degrading isolates. Using a combination of genome mining and metabolomics, possible target
characteristics could include auxin and siderophore production, nitrogen fixation and potential
phyto-protective mechanisms. It is also important to determine any direct effect of the isolated
PGP coal-degrading bacteria on plant growth and development. A better understanding of the
plant–bacteria relation may lead eventually to candidate strains for the development of a biological
process with which to treat, stabilise and even rehabilitate disturbed soils.

Author Contributions: Conceptualisation of the work was by A.K.C. and Y.T., methodology by A.K.C. and Y.T.
while execution was by Y.T., W.L.M., and J.T.O.; validation, Y.T.; L.M.S.-D.; and W.L.M.; data curation, A.K.C.;
writing—original draft preparation, Y.T. and A.K.C.; writing—review and editing, Y.T., A.K.C., L.M.S.-D.; J.T.O.;
supervision, A.K.C.; project administration, A.K.C.; funding acquisition, A.K.C. All authors have read and agreed
to the published version of the manuscript.

34



Processes 2020, 8, 1111

Funding: This research was funded by Anglo Operations (Pty.) Ltd. (Anglo Coal), the National Research
Foundation, South Africa (IFR1202220169, Grant No: 80879), and the Technology for Human Resources for
Industry Programme (THRIP; TP13070820781, UID 90252).

Acknowledgments: Y.T. is supported by a Rhodes University Post-Doctoral Research Fellowship. W.L.M.,
and J.T.O. were supported by bursaries from EBRU. The authors are grateful to Rhodes University for additional
financial support. Authors acknowledge the earlier bioprospecting work carried out by Lwazikazi Madikiza,
Michelle Isaacs, and Gerald Edeki which led to the isolation and characterisation of the coal-degrading bacteria
used in this study.

Conflicts of Interest: The authors declare no conflict of interest.

References

1. Fakoussa, R.M.; Hofrichter, M. Biotechnology and microbiology of coal degradation. Appl. Microbiol. Biotechnol.
1999, 52, 25–40. [CrossRef] [PubMed]

2. Machnikowska, H.; Pawelec, K.; Podgórska, A. Microbial degradation of low rank coals. Fuel Proc. Technol.
2002, 77, 17–23. [CrossRef]

3. Jiang, F.; Li, Z.; Lv, Z.; Gao, T.; Yang, J.; Qin, Z.; Yuan, H. The biosolubilization of lignite by Bacillus sp. Y7
and characterization of the soluble products. Fuel 2013, 103, 639–645. [CrossRef]

4. Speight, J.G. Handbook of Coal Analysis. In Chemical Analysis. A Series of Monographs on Analytical Chemistry
and its Applications, 2nd ed.; Vitha, M.F., Ed.; John Wiley and Sons: Hoboken, NJ, USA, 2015; p. 368.

5. Claassens, S.; Van Rensburg, P.J.; Van Rensburg, L. Soil microbial community structure of coal mine discard
under rehabilitation. Water Air Soil Pollut. 2006, 174, 355–366. [CrossRef]

6. Truter, W.J.; Rethman, N.F.G.; Potgieter, C.E.; Kruger, R.A. Re-vegetation of cover soils and coal discard
material ameliorated with Class F fly ash. In Proceedings of the Collected Abstracts, 2009 World of Coal Ash
(WOCA) Conference, Lexington, KY, USA, 4–7 May 2009; Available online: http://www.flyash.info/2009/110-
truter2009.pdf (accessed on 10 July 2020).

7. Sekhohola, M.L.; Igbinigie, E.E.; Cowan, A.K. Biological degradation and solubilisation of coal. Biodegradation
2013, 24, 305–318. [CrossRef]

8. Cowan, A.K.; Lodewijks, H.M.; Sekhohola, L.M.; Edeki, O.G. In situ bioremediation of South African coal
discard dumps. In Proceedings of the 11th International Conference on Mine Closure, Perth, Australia, 15–17
March 2016; Fourie, A.B., Tibbett, M., Eds.; Australian Centre for Geomechanics: Perth, Western Australia,
2016; pp. 501–509.

9. Šourková, M.; Frouz, J.; Šantrucková, H. Accumulation of carbon, nitrogen and phosphorus during soil
formation on alder spoil heaps after brown-coal mining, near Sokolov (Czech Republic). Geoderma 2005, 124,
203–214. [CrossRef]

10. Vindušková, O.; Frouz, J. Soil carbon accumulation after open-cast coal and oil shale mining in Northern
Hemisphere: A quantitative review. Environ. Earth Sci. 2013, 69, 1685–1698. [CrossRef]

11. Sekhohola, L.M.; Cowan, A.K. Biological conversion of low-grade coal discard to a humic substance-enriched
soil-like material. Int. J. Coal Sci. Technol. 2017, 4, 183–190. [CrossRef]

12. Ralph, J.P.; Catcheside, D.E.A. Transformations of low rank coal by Phanerochaete chrysosporium and other
wood-rot fungi. Fuel Proc. Technol. 1997, 52, 79–93. [CrossRef]

13. Gotz, K.E.; Fakoussa, R.M. Fungal biosolubilization of Rhenish brown coal monitored by Curie-point
pyrolysis/gas chromatography/mass spectrometry using tetraethylammonium hydroxide. Appl. Microbiol.
Biotechnol. 1999, 52, 41–48. [CrossRef]

14. Gokcay, C.F.; Kolankaya, N.; Dilek, F.B. Microbial solubilization of lignites. Fuel 2001, 80, 1421–1433. [CrossRef]
15. Yuan, H.; Yang, J.; Chen, W. Production of alkaline materials, surfactants and enzymes by Penicillium decumbens

strain P6 in association with lignite degradation/solubilization. Fuel 2006, 85, 1378–1382. [CrossRef]
16. Haider, R.; Ghauri, M.A.; SanFilipo, J.R.; Jones, E.J.; Orem, W.H.; Tatu, C.A.; Akhtar, K.; Akhtar, N. Fungal

degradation of coal as a pretreatment for methane production. Fuel 2013, 104, 717–725. [CrossRef]
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33. Strąpoć, D.; Mastalerz, M.; Dawson, K.; Macalady, J.; Callaghan, A.V.; Wawrik, B.; Turich, C.; Ashby, M.
Biogeochemistry of microbial coal-bed methane. Annu. Rev. Earth Pl. Sci. 2011, 39, 617–656. [CrossRef]

34. Huang, Z.; Urynowicz, M.A.; Colberg, P.J.S. Bioassay of chemically treated subbituminous coal derivatives
using Pseudomonas putida F1. Int. J. Coal Geol. 2013, 115, 97–105. [CrossRef]

35. Jones, E.J.P.; Voytek, M.A.; Warwick, P.D.; Corum, M.D.; Cohn, A.; Bunnel, J.E.; Clark, A.C.; Orem, W.H.
Bioassay for estimating the biogenic methane generating potential of coal samples. Int. J. Coal Geol. 2008, 76,
138–150. [CrossRef]

36. Yin, S.; Tao, X.; Shi, K.; Tan, Z. Biosolubilisation of Chinese lignite. Energy 2009, 34, 775–781. [CrossRef]
37. Barboza, N.R.; Amorim, S.S.; Santos, P.A.; Reis, F.D.; Cordeiro, M.M.; Guerra-Sá, R.; Leão, V.A. Indirect

manganese removal by Stenotrophomonas sp. and Lysinibacillus sp. isolated from Brazilian mine water.
Biomed. Res. Int. 2015, 2015, 925972. [CrossRef] [PubMed]

38. Barboza, N.R.; Morais, M.M.C.A.; Queiroz, P.S.; Amorim, S.S.; Guerra-Sá, R.; Leão, V.A. High manganese
tolerance and biooxidation ability of Serratia marcescens isolated from manganese mine water in Minas Gerais,
Brazil. Front. Microbiol. 2017, 8, 1946. [CrossRef] [PubMed]

39. Ibrahim, H.M.M. Biodegradation of used engine oil by novel strains of Ochrobactrum anthropi HM-1 and
Citrobacter freundii HM-2 isolated from oil-contaminated soil. 3 Biotech. 2016, 6, 226. [CrossRef]

36



Processes 2020, 8, 1111

40. Olawale, J.T.; Edeki, O.G.; Cowan, A.K. Bacterial degradation of coal discard and geologically weathered
coal. Int. J. Coal Sci. Technol. 2020, 7, 405–416. [CrossRef]

41. Santoyo, G.; Moreno-Hagelsieb, G.; del Carmen Orozco-Mosqued, M.; Glick, B.R. Plant growth-promoting
bacterial endophytes. Microbiol. Res. 2016, 183, 92–99. [CrossRef]

42. Lane, D.J. 16S/23S rRNA sequencing. In Nucleic acid Techniques in Bacterial Systematics; Stackebrandt, E.,
Goodfellow, M., Eds.; John Wiley & Sons: New York, NY, USA, 1991; pp. 115–175.

43. Turner, S.J.; Pryer, K.M.; Miao, V.P.M.; Palmer, J.D. Investigating deep phylogenetic relationships among
cyanobacteria and plastids by small subunit rRNA sequence analysis. J. Eukaryot. Microbiol. 1999, 46, 327–338.
[CrossRef]

44. Technelysium (Chromas). Available online: http://www.technelysium.com.auu/chromas.html (accessed on
18 May 2019).

45. Hall, T.A. BioEdit: A user-friendly biological sequence alignment editor and analysis program for Windows
95/98/NT. Nucl. Acids Symp. Ser. 1999, 41, 95–98.

46. Tamura, K.; Stecher, G.; Peterson, D.; Filipski, K.; Kumar, S. Molecular evolutionary genetic analysis version
6.0. Mol. Biol. Evol. 2013, 30, 2725–2729. [CrossRef] [PubMed]

47. Jeong, H.; Park, J.; Kim, H. Determination of NH4
+ in environmental water with interfering substances using

the modified Nessler method. J. Chem. 2013, e359217. [CrossRef]
48. Gordon, S.A.; Weber, R.P. Colorimetric estimation of indoleacetic acid. Plant Physiol. 1951, 26, 192–195.

[CrossRef] [PubMed]
49. Glickmann, E.; Dessaux, Y. A critical examination of the specificity of the Salkowski reagent for indolic

compounds produced by phytopathogenic bacteria. Appl. Environ. Microbiol. 1995, 61, 793–796. [CrossRef]
50. Majeed, A.; Abbasi, M.K.; Hameed, S.; Imran, A.; Rahim, N. Isolation and characterization of plant

growth-promoting rhizobacteria from wheat rhizosphere and their effect on plant growth promotion.
Front. Microbiol. 2015, 6, 198. [CrossRef]

51. Sharma, S.B.; Sayyed, R.Z.; Trivedi, M.H.; Gobi, T.A. Phosphate solubilising microbes: Sustainable approach
for managing phosphorus deficiency in agricultural soils. SpringerPlus 2013, 2, 587. [CrossRef]

52. Saha, M.; Maurya, B.R.; Meena, V.S.; Bahadur, I.; Kumar, A. Identification and characterisation of potassium
solubilising bacteria (KSB) from Indo-Gangetic Plains of India. Biocatal. Agric. Biotechnol. 2016, 7, 202–209.
[CrossRef]

53. Pflaum, R.T.; Howick, L.C. Spectrophotometric determination of potassium with sodium tetraphenyl-borate.
Anal. Chem. 1956, 28, 1542–1544. [CrossRef]

54. Bechtaoui, N.; Raklami, A.; Tahiri, A.-I.; Benidire, L.; El Alaoui, A.; Meddich, A.; Gottfert, M.; Oufdou, K.
Characterization of plant growth promoting rhizobacteria and their benefits on growth and phosphate
nutrition of faba bean and wheat. Biol. Open 2019, 8, bio043968. [CrossRef]

55. Patten, C.L.; Blakney, A.J.C.; Coulson, T.J.D. Activity, distribution and function of indole-3-acetic acid
biosynthetic pathways in bacteria. Crit. Rev. Microbiol. 2013, 39, 395–415. [CrossRef]

56. Tien, T.M.; Gaskins, M.H.; Hubbell, D.H. Plant growth substances produced by Azospirillum brasilense and
their effect on the growth of pearl millet (Pennisetum americanum L.). Appl. Environ. Microbiol. 1979, 37,
1016–1024. [CrossRef] [PubMed]

57. Marappa, N.; Ramachandran, L.; Dharumadurai, D.; Nooruddin, T. Plant growth-promoting active metabolites
from Frankia spp. of Actinorhizal Casuarina spp. Appl. Biochem. Biotechnol. 2020, 191, 74–91. [CrossRef]
[PubMed]

58. Throbäck, I.N.; Enwall, K.; Jarvis, A.; Hallin, S. Reassessing PCR primers targeting nirS, nirK and nosZ
genes for community surveys of denitrifying bacteria with DGGE. FEMS Microbiol. Ecol. 2004, 49, 401–417.
[CrossRef] [PubMed]

59. Reynolds, K.A.; Surridge, A.K.J. Ash microbiology: A molecular study. In Proceedings of the Collected
Abstracts, 2009 World of Coal Ash (WOCA) Conference, Lexington, KY, USA, 4–7 May 2009; Available online:
http://www.flyash.info/2009/031-surridge2009.pdf (accessed on 10 July 2020).

60. Chen, Y.P.; Rekha, P.D.; Arun, A.B.; Shen, F.T.; Lai, W.A.; Young, C.C. Phosphate solubilizing bacteria
from subtropical soil and their tricalcium phosphate solubilizing abilities. Appl. Soil Ecol. 2006, 34, 33–41.
[CrossRef]

37



Processes 2020, 8, 1111

61. Farhat, M.B.; Farhat, A.; Bejar, W.; Kammoun, R.; Bouchaala, K.; Fourati, A.; Antoun, H.; Bejar, S.;
Chouayekh, H. Characterization of the mineral phosphate solubilizing activity of Serratia marcescens CTM
50650 isolated from the phosphate mine of Gafsa. Arch. Microbiol. 2009, 191, 815–824. [CrossRef]

62. Mursyida, E.; Mubarik, N.R.; Tjahjoleksono, A. Selection and identification of phosphate-potassium
solubilizing bacteria from the area around the limestone mining in Cirebon Quarry. Res. J. Microbiol. 2015,
10, 270–279.

63. Borgi, M.A.; Saidi, I.; Moula, A.; Rhimi, S.; Rhimi, M. The attractive Serratia plymuthica BMA1 strain with
high rock phosphate-solubilizing activity and its effect on the growth and phosphorus uptake by Vicia faba L.
plants. Geomicrobiol. J. 2020, 37, 437–445. [CrossRef]

64. Wichner, S.; Libbert, E. Interactions between plants and epiphytic bacteria regarding their auxin metabolism.
I. Detection of IAA-producing epiphytic bacteria and their role in long duration experiments on tryptophan
metabolism in plant homogenates. Physiol. Plant. 1968, 21, 227–241. [CrossRef]

65. Fett, W.F.; Osman, S.F.; Dunn, M.F. Auxin production by plant-pathogenic Pseudomonads and Xanthomonads.
Appl. Environ. Microbiol. 1987, 53, 1839–1845. [CrossRef]

66. Patten, C.L.; Glick, B.R. Bacterial biosynthesis of indole-3-acetic acid. Can. J. Microbiol. 1996, 42, 207–220.
[CrossRef]

67. Zarkan, A.; Liu, J.; Matuszewska, M.; Gaimster, H.; Summer, D.K. Local and universal action: The paradoxes
of indole signalling in bacteria. Trends Microbiol. 2020, 28, 566–577. [CrossRef] [PubMed]

68. Duca, D.; Lorv, J.; Patten, C.L.; Rose, D.; Glick, B.R. Indole-3-acetic acid in plant-microbe interactions. Antonie
Van Leeuwenhoek 2014, 106, 85–125. [CrossRef] [PubMed]

69. Normanly, J.; Cohen, J.D.; Fink, G.R. Arabidopsis thaliana auxotrophs reveal a tryptophan-independent
biosynthetic pathway for indole-3-acetic acid. Proc. Natl. Acad. Sci. USA 1993, 90, 10355–10359. [CrossRef]
[PubMed]

70. Taupp, M.; Harmsen, D.; Heckel, F.; Schreier, P. Production of natural methyl anthranilate by microbial
N-demethylation of N-methyl methyl anthranilate by the topsoil-isolated bacterium Bacillus megaterium.
J. Agric. Food Chem. 2005, 53, 9586–9589. [CrossRef] [PubMed]

71. Luo, Z.W.; Cho, J.S.; Lee, S.Y. Microbial production of methyl anthranilate, a grape flavor compound. Proc.
Natl. Acad. Sci. USA 2019, 116, 10749–10756. [CrossRef]

72. Kölling, G. Products of coal (coke, tar, gas) and their analysis. Pure Appl. Chem. 1977, 49, 1475–1482. [CrossRef]
73. Stefanova, M.; Gonsalvesh, L.; Marinov, S.P.; Czech, J.; Carleer, R.; Yperman, J. Reductive pyrolysis of

leonardite humic acids. Bulg. Chem. Commun. 2014, 46, 123–128.
74. Grimont, P.A.D.; Grimont, F. The genus Serratia. Annu. Rev. Microbiol. 1978, 32, 221–248. [CrossRef]
75. Singh, R.P.; Jha, P.N. The multifarious PGPR Serratia marcescens CDP-13 augments induced systemic resistance

and enhanced salinity tolerance of wheat (Triticum aestivum L.). PLoS ONE 2016, 11, e0155026. [CrossRef]
76. Khan, A.R.; Park, G.-S.; Asaf, S.; Hong, S.-J.; Jung, B.K.; Shin, S.-H. Complete genome analysis of Serratia

marcescens RSC-14: A plant growth-promoting bacterium that alleviates cadmium stress in host plants.
PLoS ONE 2017, 12, e0171534. [CrossRef]

77. Matteoli, F.P.; Passarelli-Araujo, H.; Reis, R.J.A.; da Rocha, L.O.; de Souza, E.M.; Aravind, L.; Olivares, F.L.;
Venancio, T.M. Genome sequencing and assessment of plant growth-promoting properties of a Serratia
marcescens strain isolated from vermicompost. BMC Genom. 2018, 19, 750. [CrossRef] [PubMed]

78. Smułek, W.; Sydow, M.; Zabielska-Matejuk, J.; Kaczorek, E. Bacteria involved in biodegradation of creosote
PAH—A case study of long-term contaminated industrial area. Ecotox. Environ. Saf. 2020, 187, 109843.
[CrossRef] [PubMed]

79. Das, A.C.; Mukherjee, D. Soil application of insecticides influences microorganisms and plant nutrients.
Appl. Soil Ecol. 2000, 14, 55–62. [CrossRef]

80. Das, A.C.; Chakravarty, A.; Sukul, P.; Mukherjee, D. Insecticides: Their effect on microorganisms and
persistence in rice soil. Microbiol. Res. 1995, 150, 187–194. [CrossRef]

81. Das, A.C.; Chakravarty, A.; Sukul, P.; Mukherjee, D. Influence and persistence of phorate and carbofuran
insecticides on microorganisms in rice field. Chemosphere 2003, 53, 1033–1037. [CrossRef]

82. Rau, N.; Mishra, V.; Sharma, M.; Das, M.K.; Ahaluwalia, K.; Sharma, R.S. Evaluation of functional diversity
in Rhizobacterial taxa of a wild grass (Saccharum ravennae) colonizing abandoned fly ash dumps in Delhi
urban ecosystem. Soil Biol. Biochem. 2009, 41, 813–821. [CrossRef]

38



Processes 2020, 8, 1111

83. Yu, S.M.; Lee, Y.H. Plant growth promoting rhizobacterium Proteus vulgaris JBLS202 stimulates the seedling
growth of Chinese cabbage through indole emission. Plant Soil 2013, 370, 485–495. [CrossRef]

84. Bhattacharyya, D.; Garladinne, M.; Lee, Y.H. Volatile indole produced by rhizobacterium Proteus vulgaris
JBLS202 stimulates growth of Arabidopsis thaliana through auxin, cytokinin, and brassinosteroid pathways.
J. Plant Growth Regul. 2015, 34, 158–168. [CrossRef]

85. Lu, H.; Wang, X.; Zhang, K.; Lu, Y.; Zhou, L.; Li, G. Identification and nematicidal activity of bacteria isolated
from cow dung. Ann. Microbiol. 2014, 64, 407–411. [CrossRef]

86. Hernandez-Rivera, M.A.; Ojeda-Morales, M.E.; Martinez-Vazquez, J.G.; Villegas-Cornelio, V.M.;
Cordova-Bautista, Y. Optimal parameters for in vitro development of the hydrocarbonoclastic microorganism
Proteus sp. J. Soil Sci. Plant Nutr. 2011, 11, 29–43. [CrossRef]

87. Ibrahim, M.L.; Ijah, U.J.J.; Manga, S.B.; Bilbis, L.S.; Umar, S. Production and partial characterization of
biosurfactant produced by crude oil degrading bacteria. Int. Biodeterior. Biodegrad. 2013, 81, 28–34. [CrossRef]

88. Obayori, O.S.; Salam, L.B.; Oyetibo, G.O.; Idowu, M.; Amund, O.O. Biodegradation potentials of polyaromatic
hydrocarbon (pyrene and phenanthrene) by Proteus mirabilis isolated from an animal charcoal polluted site.
Biocatal. Agric. Biotechnol. 2017, 12, 78–84. [CrossRef]

89. Hassen, A.; Saidi, N.; Cherif, M.; Boudabous, A. Resistance of environmental bacteria to heavy metals.
Bioresour. Technol. 1998, 64, 7–15. [CrossRef]

90. Ge, S.; Dong, X.; Zhou, J.; Ge, S. Comparative evaluations on bio-treatment of hexavalent chromate by resting
cells of Pseudochrobactrum sp. and Proteus sp. in wastewater. J. Environ. Manag. 2013, 126, 7–12. [CrossRef]
[PubMed]

91. Islam, F.; Yasmeen, T.; Riaz, M.; Arif, M.S.; Ali, S.; Raza, S.H. Proteus mirabilis alleviates zinc toxicity by
preventing oxidative stress in maize (Zea mays) plants. Ecotoxicol. Environ. Saf. 2014, 110, 143–152. [CrossRef]

92. Olukanni, O.D.; Osuntoki, A.A.; Kalyani, D.C.; Gbenle, G.O.; Govindw, S.P. Decolorization and biodegradation
of Reactive Blue 13 by Proteus mirabilis LAG. J. Hazard Mater. 2010, 184, 290–298. [CrossRef]
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Abstract: Mercury is a toxic element that harms organisms and disturbs biogeochemical cycles.
Mercury bioremediation is based on the reduction of Hg (II) to Hg (0) by mercury-resistant bacteria.
Cupriavidus metallidurans MSR33 possesses a broad-spectrum mercury resistance. This study aims
to establish the effects of mercury on growth, oxygen uptake, and mercury removal parameters by
C. metallidurans MSR33 in aqueous solution during aerobic and anaerobic mercury bioremediation.
A new culture medium (GBC) was designed. The effects of mercury (II) (20 ppm) on growth parameters,
oxygen uptake, and mercury removal were evaluated in GBC medium in a bioreactor (3 L) under
aerobiosis. The anaerobic kinetics of mercury removal was evaluated by nitrogen replacement during
mercury bioremediation in a bioreactor. Strain MSR33 reached a growth rate of μ = 0.43 h−1 in the
bioreactor. Mercury inhibited oxygen uptake and bacterial growth; however, this inhibition was
reversed after 5 h. Strain MSR33 was able to reduce Hg (II) under aerobic and anaerobic conditions,
reaching, at 24 h, a metal removal of 97% and 71%, respectively. Therefore, oxygen was crucial for
efficient mercury removal by this bacterium. Strain MSR33 was capable of tolerating the toxic effects
of mercury (II) during aerobic bioremediation and recovered its metabolic activity.

Keywords: Cupriavidus metallidurans; mercury; bioremediation; aerobic; anaerobic

1. Introduction

Mercury is a highly toxic metal for cells and is distributed in the water, soil, and air, due to
human activities including mining and natural cycles [1–4]. Mercury presents in the Earth’s crust at
concentrations between 20 and 150 ppb [4]. Until 2010, it was estimated that a cumulative total of 1540
(1060−2800) Gg of mercury had been released by human activities, 73% of which were released after
1850 [5]. The main sources of mercury pollution are mining (e.g., gold, copper), the chloralkali industry,
sludge deposited in landfills, paints, disinfectants, pharmaceuticals, and seed-coat dressing, which
mobilizes mercury into the water, soil, and atmosphere [3–5]. Mercury (II) is a highly toxic specie
due to its high affinity to sulfhydryl and thioester groups of proteins, inactivating proteins of living
organisms [2,6–9]. Due to its high toxicity, several technologies have been developed for the remediation
of mercury. Physicochemical processes are efficient, but expensive at the industrial scale and not
applicable in large polluted areas [10,11]. Bioremediation is an eco-friendly and low-cost strategy for the
clean-up of polluted environments but is limited to a range of pollutant concentrations that are tolerated
by microorganisms [12–18]. Bioremediation is based on the inoculation of microorganisms, especially
bacteria and fungi, to mineralize or transform toxic compounds or elements into less toxic forms [12–18].
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Mercury bioremediation by metal-resistant bacteria is mainly based on the reduction of Hg (II) to Hg (0)
by proteins codified by the mer genes and the reducing power NADPH (Figure 1). Elemental mercury,
Hg (0), is volatile due to its high vapor pressure and insoluble in water. Mercury removal strategies
are based on the volatility and water insolubility of this heavy metal [19]. Diverse bacteria, including
C. metallidurans strains CH34 and MSR33, Pseudomonas putida strains PpY101/pSR134, Spi3, Elb2 and
KT2442, P. stutzeri strains Ibu8 and OX, P. aeruginosa Bro12, Aeromonas hydrophila, and Sphingomonas sp.
SA2, reduce mercury under aerobic conditions [3,10,11,20–24]. Studies of mercury reduction under
anaerobic conditions are scarce. P. stutzeri OX, Geobacter bemidjiensis Bem, and Geobacter sulfurreducens
PCA reduce mercury under anaerobiosis [20,25,26].

Figure 1. Mercury (II) and organomercurial compounds resistance mechanism of C. metallidurans
MSR33. Mercury (II) and organomercurials compounds resistance is codified by mer genes in the
chromosome and the plasmids pMOL30, pMOL28, and pTP6 of strain MSR33. Hg (II) is reduced to Hg
(0) by mercuric reductase MerA using reducing power NADPH. MerB catalyzes the protonolysis of the
carbon–mercury bond in organomercurials. MerP and MerT are proteins involved in the transport of
mercury (II) inside the cell. MerG is a periplasmic protein involved in the importing of phenylmercury.
Figure adapted from Rojas et al. [10].

C. metallidurans strains are highly resistant to heavy metals and are able to metabolize toxic organic
pollutants such as toluene under aerobic and anaerobic conditions; therefore, specific strains have been
applied in bioremediation [27–30]. C. metallidurans strain CH34 is a facultative anaerobe and heavy
metal multi-resistant bacterium associated to the gold biogeochemical cycle [7,27,28]. Strain MSR33 is
a transconjugant strain of wild type C. metallidurans CH34 that possesses increased resistance to heavy
metals and organomercurial compounds [10,29]. Strain MSR33 exhibits 2.4-fold higher resistance to Hg
(II), >16-fold higher resistance to methyl-Hg, and higher resistance to Cd (II), Co (II), and Ni (II) than
strain CH34 [10,28,29]. Under aerobic conditions, strain MSR33 possesses a high resistance to mercury
II (24 ppm), methyl-Hg (>17 ppm), and is capable of reducing Hg (II) and organomercurial compounds
to Hg (0). C. metallidurans strain MSR33 has been used for the bioremediation of mercury-polluted
aqueous solutions, achieving complete mercury removal in 2 h [10]. Oxygen uptake is a key parameter
in bioprocesses such as bioremediation, where oxygen is the final electron acceptor in aerobic respiration.
Aerial oxygen is incorporated into the process of mercury bioremediation for the displacement of
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gaseous mercury to the oxidizing trap [10,21,23,26]. The effects of mercury on oxygen uptake during
the mercury bioremediation process have not been elucidated.

This study aims to establish the effects of mercury on growth, oxygen uptake, and mercury
removal parameters by C. metallidurans MSR33 in aqueous solution in a bioreactor during aerobic and
anaerobic mercury bioremediation. The strain MSR33 showed the ability to reduce mercury (II) under
aerobic and anaerobic conditions. However, the presence of oxygen was crucial for efficient mercury
removal. C. metallidurans MSR33 is capable of tolerating the toxic effects of mercury during mercury
bioremediation and recovered its metabolic activity.

2. Materials and Methods

2.1. Chemicals

Succinate, HgCl2, H2SO4, NH4Cl, NaH2PO4 × 2H2O, KCl, FeSO4, HNO3, HCl, and NaOH were
purchased from Merck (Darmstadt, Germany).

2.2. Culture Medium

A new culture medium for MSR33 strain was designed according to the nutritional requirements
of a model microorganism [31]. The nutrient concentrations required in the culture medium were
calculated. Theoretical yield (Yx/s) for each nutrient was determined. The concentration in excess
(100%) of nutrients for 2 g L−1 of cellular biomass, except for the carbon and energy sources, was
established to cover the theoretical values required by the cell. The components of GBC (Guillermo
Bravo Cortés) medium are succinate (4 g L−1) as carbon and energy source, NH4Cl (1 g L−1) as nitrogen
source, NaHPO4 × 2H2O (0.21 g L−1) as phosphorus and sodium sources, FeSO4 (0.2 g L−1) as iron and
sulfur sources, and KCl (0.27 g L−1) as potassium source. The culture medium was adjusted to pH 7
with the addition of HCl (37%) and NaOH (10 M).

2.3. Biomass Determination

The biomass of strain MSR33 was assessed by measuring turbidity at 600 nm and using a curve of
turbidity versus dry biomass concentration. For the determination of the cell dry weight, 25 mL of
culture broth of strain MSR33 was collected and centrifuged in a Hettich model Rotina 380R centrifuge
(Westfalia, Germany) at 3500× g for 10 min, removing the supernatant, and washing the cells three times
with Milli-Q water. Cells were placed in a previously tared aluminum foil and dried in a Memmert
oven (Schwabach, Germany) at 60 ◦C for 48 h. The initial and final mass difference was used to
calculate the value of dry biomass weight. A correlation curve between turbidity and biomass dry
weight was established.

2.4. Succinate Quantification

The succinate degradation was assessed by measuring succinate in GBC broth during the
fermentation. The samples (300 μL) were centrifuged at 24,000× g for 10 min. The supernatant was
passed through a 0.22 μm syringe filter, and the filtered solution samples (200 μL) were deposited in
glass flasks for high performance liquid chromatography (HPLC) analysis. The succinate concentrations
were analyzed according to a described protocol [32]. The samples (2 μL) were analyzed in an Agilent
model 1260 Infinity Quaternary LC HPLC (Santa Clara, California, USA) equipped with a UV/IR
detector using a BioRad Aminex HPX-97H column. The mobile phase was composed of H2SO4 (5 mM)
with a flow rate of 0.6 mL min−1 at 45 ◦C.

43



Processes 2020, 8, 893

2.5. Determination of Dissolved Oxygen Concentration

The dissolved oxygen concentration was determined using an oxygen optic sensor PreSens model
Fibox 3 (Regensburg, Germany). The calibration of the equipment was carried out according to
the manufacturer’s specifications. The determination of oxygen uptake rate by strain MSR33 was
performed using the dynamic method of Humprey [33]. This method consists of the interruption of air
supply during the exponential growth phase of strain MSR33, to reach 10% dissolved oxygen and its
later supply to the fermentation. The slope obtained from the fall of oxygen concentration corresponds
to the oxygen uptake rate by strain MSR33.

2.6. Mercury Determination

For the determination of Hg in aqueous samples, the AOAC 977.15 methodology was used with
modifications [34]. The mercury quantification was carried out by cold vapor atomic absorption
spectrometry using an atomic absorption spectrometer Agilent model 240AA series AA1110M032 with
a hydride generation module (VGA 77) (Santa Clara, California, USA).

2.7. Kinetics of C. metallidurans MSR33 Growth

To increase the cellular biomass of strain MSR33, the growth kinetics were measured at different
succinate concentrations (4, 8, and 12 g L−1), increasing the GBC medium concentrations 2 and 3
times. Batch experiments were performed in a stirred-tank bioreactor Applikon Biotechnology model
Ez-control (Delft, The Netherlands) of 3 L total volume, equipped with a Rushton type turbine and pH
and temperature controllers. MSR33 cells were grown in GBC medium (1 L fermentation volume) with
agitation (500 rpm), aeration (air flow of 2 vvm) at pH 7 and 30 ◦C. Previously, MSR33 cells grown in
Luria–Bertani medium until the late exponential phase were harvested and inoculated at 10% v v−1 in
the fermentation volume. The specific growth rate (μ), cellular yield (Yx/s), cellular productivity (Qx),
and oxygen uptake rate (Na) of strain MSR33 were assessed.

2.8. Effects of Mercury on Growth and Oxygen Uptake Rate of C. metallidurans Strain MSR33

The effects of mercury on growth and oxygen uptake rate of strain MSR33 were studied after the
addition of mercury (II) (20 ppm) into the bioreactor during the exponential growth phase on succinate
(8 g L−1) as sole carbon and energy source. Reduced mercury, Hg (0), generated by strain MSR33
was removed by air or nitrogen gas stripping and sparged into a solution of HNO3 (1 M), where Hg
(0) was oxidized to Hg (II) [10]. The acidic solution was maintained in the trap for the capture of
gaseous mercury.

2.9. Effects of Oxygen Availability on Mercury Reduction

The mercury reduction was assessed in the bioreactor under aerobic and anaerobic conditions.
To establish the anaerobic conditions, air supply was replaced by nitrogen gas after strain MSR33
reached a cell mass of 1 g L−1, providing deoxygenation and the displacement of volatile mercury
into the oxidizing trap [10,35]. A molecular nitrogen flow of 2 vvm was used. The kinetic evaluation
of mercury removal was carried out during the exponential growth phase of strain MSR33 (biomass
~1.3 g cells L−1), by measuring the remaining total mercury concentration in the GBC culture broth.

3. Results

3.1. Culture Medium Design, Kinetics, and Operational Characterization of C. metallidurans MSR33 Growth

A new culture medium was designed for higher growth of C. metallidurans strain MSR33 (Figure 2).
This culture medium was named GBC medium and is composed of succinate, ammonium chloride,
phosphate (low concentration), and trace salts. The amount of carbon used for the culture medium
was calculated from a carbon mass balance, expecting a theoretical biomass value of 2 g cells L−1
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for 4 g L−1 succinate. However, the results show a lower biomass value (1.7 g cells L−1) than the
theoretical biomass.

 
Figure 2. Growth and succinate degradation of C. metallidurans MSR33 in GBC medium. (a) Growth
of strain MSR33 on succinate 4 g L−1. (b) Effect of increased succinate concentration on the growth
kinetics of C. metallidurans MSR33. The kinetics was obtained from a batch reactor with aeration
(2 vvm), pH 7, 30 ◦C and agitation (500 rpm). The assays were performed in triplicate. Bars indicate the
standard deviation.

The kinetic and operational parameters of C. metallidurans MSR33 growth in the GBC medium
were studied. The results show the dependence on succinate concentration of the growth of strain
MSR33 in GBC medium (Figure 2a), validating the use of succinate as the sole carbon and energy
source. The kinetics parameters obtained were the specific growth rate (μ) of 0.43 h−1, a doubling time
(TD) of 1.61 h, a yield of biomass from the carbon and energy source (Yx/s) of 0.41 g cells g succinate−1,
an oxygen uptake rate of 120 ppm oxygen h−1, a specific oxygen uptake rate of 60 mg O2 h−1 g cell−1,
and a cellular productivity (Qx) of 0.24 g cells L−1 h−1.

To evaluate the kinetic behavior and the final biomass concentration in fermentation with a higher
cell density, the carbon, and energy source of the GBC medium (succinate) was used two and three
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times concentrated (Figure 2b). When the succinate concentration of the medium GBC was doubled,
the strain MSR33 exhibited a similar kinetic pattern and the biomass increased almost two-fold.
When three times concentrated succinate was used, the biomass increased almost three-fold, but a delay
at the beginning of the exponential phase was observed. Therefore, for mercury bioremediation assays,
the GBC medium with the carbon source 2-fold concentrated (succinate 8 g L−1) was selected.

3.2. Effect of Mercury (II) on Bioremediation in Liquid Medium by C. metallidurans Strain MSR33

In the first approach, the effect of the addition of mercury to the culture broth on the growth of
strain MSR33 was evaluated during 10 h (Figure 3). The addition of mercury (II) (20 ppm) during the
exponential phase caused the inhibition of MSR33 growth and the interruption of its oxygen uptake.
In contrast, in the absence of mercury (II), the oxygen is consumed during the complete period of
cell growth.

In the second set of assays, the effects of mercury (II) (20 ppm) on growth kinetics and oxygen
uptake were studied over a period of 26 h (Figure 4). The effects of mercury (II) on cellular growth
and respiration were reversible. After a mercury (II) (20 ppm) pulse at the exponential phase, MSR33
cell growth was completely inhibited. However, 5 h after the addition of mercury (II), strain MSR33
reversed the inhibitory effects caused by mercury (II), re-starting the oxygen uptake and cell growth.

3.3. Effect of Oxygen Availability on Mercury (II) Reduction

To determine the effect of oxygen availability on the reduction of mercury (II) (20 ppm) by MSR33
cells, the reduction of mercury (II) under aerobic and anaerobic conditions was compared (Figure 5).
Strain MSR33 was able to reduce Hg (II) under aerobic and anaerobic conditions, reaching a mercury
removal after 24 h of 96.8% and 71.4%, respectively. The results indicate that the removal of mercury
(II) by strain MSR33 after 24 h was higher under aerobic conditions than under anaerobiosis.

Figure 3. Effects of the addition of mercury (II) on the kinetics of cell growth and oxygen uptake by
C. metallidurans MSR33. In these assays, Hg (II) (20 ppm) was added during the exponential phase at
6 h of growth onset by C. metallidurans MSR33. The assays were performed in duplicate. Bars indicate
the standard deviation.

46



Processes 2020, 8, 893

Figure 4. Effect of mercury (II) (20 ppm) on the growth and the respiration of C. metallidurans MSR33.
In these assays, Hg (II) (20 ppm) was added at the exponential growth phase. The assays were performed
in duplicate. Bars indicate the standard deviation.

Figure 5. Kinetics of mercury (II) (20 ppm) removal by C. metallidurans MSR33 from polluted aqueous
solution under aerobic and anaerobic conditions. Hg (II) removal was evaluated during the exponential
growth phase (1.3 g cells L−1), using gas flows (2 vvm) of air and nitrogen gas for aerobic and anaerobic
conditions, respectively. The assays were performed in duplicate. Bars indicate the standard deviation.

4. Discussion

This study determined the kinetic parameters of C. metallidurans MSR33 growth in a bioreactor
(3 L) and the effect of mercury on mercury bioremediation by this strain. The new culture medium
GBC for strain MSR33 growth was formulated in this study. Due to the complexing effect of
phosphate on mercury, GBC medium was formulated with a low phosphate concentration. The low
phosphate Tris-buffered mineral salts (LPTMS) medium has been used previously for C. metallidurans
growth [10,28,29]. The LPTMS medium requires high concentrations of Tris salts buffer, which is not
required for bioreactor cultures with automatic pH control. Succinate concentration was adjusted to
energy and growth requirements of strain MSR33. The biomass difference between the theoretical
(2 g cells L−1) and the experimental values (1.7 g cells L−1) may be attributed to factors such as
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carbon losses produced by the release of metabolites into the culture and higher maintenance energy
requirements (Figure 2a).

The specific growth rate (μ) for C. metallidurans strain MSR33 obtained in this study is higher
(8 times) than the μ reported previously [10]. Rojas et al. characterized the MSR33 growth in a 200 mL
flask, whereas, in the present study, the strain was grown in a bioreactor of 3 L under controlled
conditions of pH, agitation, and oxygen supply [10]. In this study, inhibition of MSR33 growth at
high concentrations of succinate was observed (Figure 2b), suggesting an inhibition by the substrate.
After 7 h of the growth kinetics, this inhibition was reversed. High succinate concentration has been
reported to inhibit the succinate dehydrogenase [36], which may explain the initial inhibitory behavior
observed with 12 g L−1 succinate. Strain MSR33 grown on succinate showed a lower specific oxygen
uptake rate (60 mg O2 h−1 g cell−1) than E. coli NF790 grown on succinate (832 mg O2 h−1 g cell−1) but
within the oxygen uptake range reported by E. coli K12 (29–739 mg O2 h−1 g cell−1) and Rhodococcus
erythropolis IGTS8 (6.4–137 mg O2 h−1 g cell−1) [37,38].

In this study, mercury II (20 ppm) inhibited the growth and oxygen uptake of strain MSR33
(Figures 3 and 4). Rojas et al. [10] observed that the addition of Hg II (8 ppm) during the exponential
growth phase did not affect MSR33 cell growth. However, Hg II (8 ppm) stopped the growth of wild type
strain C. metallidurans CH34. The minimum inhibitory concentration (MIC) of Hg (II) described under
aerobic conditions for strains CH34 and MSR33 is 10 and 24 ppm, respectively [10,29]. The growth
inhibition of strain MSR33 could be associated to the high mercury concentration (20 ppm) used in
this study.

At the cellular level, the disruption of the oxygen uptake by mercury addition may be related
to its effects on the respiratory chain. Mercury has been reported to alter membranes, reducing
membrane transport and potential, affecting the respiratory chain, and producing oxidative stress [6,39].
Specifically, mercury affects sulfhydryl (cysteine) and thioester (methionine) residues of proteins and
replaces other metals such as iron in metalloproteins, damaging the respiratory chain functioning at
membranes in bacteria and eukaryotes [2,7–9,40]. Rojas et al. reported that Hg (II) (8 ppm) affects the
membranes of C. metallidurans strain CH34, showing a fuzzy outer membrane [10]. C. metallidurans
strains CH34 and MSR33 possess outer membrane and periplasmic sulfur-rich proteins such as CopA,
CopB, CopC, CopK, and CopJ containing a significant number of methionine and cysteine amino acids,
which has been proposed to be oxidized by heavy metals and participate in the reduction of gold (III)
ions into Au (0) [7]. Hg (II) increases lipid peroxidation by the increase in H2O2 due to Fenton reactions
in Shewanella oneidensis MR-1 under aerobic conditions, whereas lower lipoperoxidation was observed
under anaerobiosis [41]. Mercury decreases the activity of photosystems cytochromes and quinones at
the membrane in Rhodobacter sphaeroides [42]. Hg (II) decreases oxygen uptake and inhibits the electron
transport chain and the oxidative phosphorylation in the mitochondria of fish liver cells [43].

Another factor that may contribute to the disruption of oxygen uptake and inhibition of growth
by Hg (II) is the redirection of the NADPH cellular pool, from the synthesis of biomolecules and cell
growth to the reduction of mercury and oxidative stress response. The reduction of Hg (II) to Hg (0) by
strain MSR33 occurs in the cytosol where the mercury reductase (MerA) reduces Hg (II) into Hg (0)
using 2 NADPH molecules [10,44]. The main damage caused by mercury is on the membranes but not
in the cytoplasm [41]. The import of mercury (II) and its subsequent reduction are the key processes
for detoxification. The exposure to Hg (II) induces the generation of reactive oxygen species (ROS) in
bacteria and eukaryotes, which could decrease the NADPH levels in strain MSR33 even more [6,39,41,43].
Under oxidative stress, bacterial growth is arrested, whereas NADPH plays an important role for
detoxifying ROS by the regeneration of reduced glutathione and thioredoxin, with a concomitant
decrease in the NADPH pool [45,46]. A fast rerouting of the Embden–Meyerhof–Parnas pathway into
the pentose phosphate pathway was observed in E. coli supplemented with glucose under oxidative
stress, increasing the reduction rate of NADP+ to NADPH [47]. In our study, succinate was used
as the sole carbon and energy source for strain MSR33 growth, suggesting a rerouting pathway
for NADPH recycling. The pentose phosphate pathway, isocitrate dehydrogenase, malic enzyme,
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and transhydrogenases reactions are probably involved in NADPH pool regeneration in strain MSR33
under these aerobic conditions. On the other hand, higher expression of the mer genes under aerobic
conditions was observed in Pseudomonas stutzeri OX than under anaerobiosis [20]. We postulate that
under aerobiosis, mercury (II) in strain MSR33 causes membrane and protein damage that affects
the respiratory chain and the oxidative phosphorylation, induces the broad-spectrum mer genes,
and promotes the redirection of the NADPH reducing power to the mercury-detoxifying and oxidative
stress response mechanisms (Figure 6).

Figure 6. Proposed aerobic mercury detoxifying mechanisms in C. metallidurans MSR33. Mercury in
presence of oxygen generate reactive oxygen species (ROS) through the electron transport chain and
Fenton reactions. ROS activate oxidative stress response mechanisms that induce the rerouting of
the metabolism, increasing the NADPH pool (blue letters) through the pentose phosphate pathway,
malic enzyme, isocitrate dehydrogenase and transhydrogenase reactions (light blue squares). Mercury
under aerobic conditions induces mercury detoxifying mechanisms through the expression of the mer
genes. The mercuric reductase MerA reduces Hg (II) into Hg (0) using 2 NADPH. The NADPH pool
is consumed during mercury reduction and oxidative stress response mechanisms. Abbreviations:
SUC, succinate; SUCD, succinate dehydrogenase; FUM, fumarate; MAL, malate; OAA, oxaloacetate;
CIT, citrate; ICIT, isocitrate; KG, α-ketoglutarate; SucCoA, succinylCoA; AcCoA, acetylCoA;
PYR, pyruvate; PEP, phosphoenolpyruvate; G6P, glucose-6-phosphate; 6PGL, 6-phosphogluconolactone;
6PG, 6-phosphogluconate; Ru5P, Ribulose-5-phosphate; GAP, glyceraldehyde-3-phosphate.

In this study, the capability of strain MSR33 to re-establish the cell growth and the oxygen uptake
after an initial inhibition by mercury (II) was observed, increasing the cellular biomass for mercury
bioremediation. The response of strain MSR33 is based on the proteins encoded by the mer genes
in the chromosome and pMOL28, pMOL30, and pTP6 plasmids that are associated with mercury
resistance [10,29]. Strain MSR33 is capable of reducing Hg (II) and organomercurial compounds into
a less toxic form (Hg 0), which enables detoxifying the environment surrounding the bacterium [26,44].
A high rate of mercury removal was observed after 1 h (Figure 5), indicating high mercury reduction
by MSR33 MerA protein. The fast detoxifying response may be based on the mercury resistance
genes’ redundancy in strain MSR33, which allows the bacterium to restore cell growth and oxygen
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uptake after the early inhibitory effects of mercury [10]. Due to the absence of oxygen uptake during
exposure to mercury in a liquid medium, the kinetics of mercury removal were determined by strain
MSR33 under aerobic conditions through the displacement of gases with an injection of air, and under
anaerobic conditions by the injection of gaseous nitrogen (Figure 5). The results indicate that oxygen is
required for an efficient removal of mercury, even though mercury inhibits oxygen uptake. Although,
during aerobic mercury bioremediation, strain MSR33 stops consuming oxygen during initial mercury
exposure, mercury probably induces the mercury reductase activity and the bacterium reroutes its
metabolism towards the regeneration of the NADPH pool for the reduction of mercury (II) and to
counteract ROS.

In this study, almost complete removal of mercury (II) (20 ppm) by C. metallidurans MSR33 was
observed under aerobic conditions after 24 h. Rojas et al. [10] observed that strain MSR33 in the
presence of thioglycolate reached a complete removal of mercury (II) (20 and 30 ppm) after 2 h in
flasks of 250 mL (50 mL aqueous solution) with high aeration (6 vvm). In this study, the mercury
removal after 24 h by strain MSR33 under aerobic conditions (97%) is higher than the 79% mercury
(3.2 ppm) removal after 6 h by Sphingobium sp. SA2 and 88% of mercury (5 ppm) removal after 7 h
by Pseudomonas stutzeri OX but similar to 92 to 98% mercury (40 ppm) removal after 24 h by P. putida
PpY101/pSR134 [20,22,48].

Interestingly, the facultative anaerobe strain MSR33 was able to remove 71% Hg (II) (20 ppm)
after 24 h under anaerobic conditions. The facultative anaerobe Pseudomonas stutzeri OX removes
84% mercury II (5 ppm) after 20 h under anaerobic conditions [20]. Anaerobic mercury reduction
associated with methylation and demethylation by anaerobic obligate bacteria has been reported [49,50].
G. bemidjiensis Bem and G. sulfurreducens PCA reduce mercury at low concentrations (1 ppb) under
anaerobic conditions [25,26]. Anaerobiosis favors the formation of inorganic mercury sulfide, decreases
ROS levels, and significantly reduces the NADPH pool regeneration [45,51]. P. stutzeri OX exhibited
higher tolerance to Hg (II) under anaerobiosis than under aerobic conditions; anaerobiosis affects
Hg (II) transport into the cell and, therefore, also the expression of the mer genes [20]. It has been
reported that the synthesis of MerA and MerB proteins in C. metallidurans MSR33 is strongly induced
by mercury [10]. Therefore, a lower mercury reduction under anaerobic conditions by strain MSR33
may be explained by (i) a decreased Hg (II) transport into the cell compared to aerobic conditions,
which leads to a lower expression of mer genes, and (ii) a lower NADPH pool, which negatively
affects the reduction of mercury by MerA in the cytoplasm. However, the higher mercury removal
rates during the first hours of mercury exposure under anaerobic conditions could be associated with
microaerobic conditions that may be generated inside the reactor by oxygen remnants at the beginning
of the anaerobic phase. In this study, mercury (II) removal was performed at concentrations close to
the MIC [10]. Mercury concentrations higher than the MIC could irreversibly affect the growth and
detoxifying activity of strain MSR33 under aerobic conditions. However, under anaerobic conditions,
C. metallidurans strain MSR33 may tolerate higher mercury concentration than P. stutzeri OX [20].

Mercury inhibits the metabolic activity of C. metallidurans MSR33. However, strain MSR33 is
capable of tolerating mercury during mercury bioremediation and recovered its metabolic activity.
Notably, strain MSR33 is able to remove mercury in solution under anaerobic conditions. Under
anaerobic conditions, toluene degradation by C. metallidurans CH34 using nitrate as a terminal electron
acceptor in bioelectrochemical systems has been reported [30]. The results of our present study confirm
the bioremediation capability of C. metallidurans strain MSR33 under anaerobic conditions. In this study,
nitrate was not included in the composition of the culture medium. Interestingly, facultative anaerobic
bacteria including mercury-reducing strains may use fumarate as the electron acceptor, where fumarate
reductase catalyzes this final step in anaerobic respiration [46,49,52]. The gene encoding this enzyme
was reported in the C. metallidurans genome [53], therefore, we propose that fumarate could be the
electron acceptor under these anaerobic conditions. Further studies on anaerobic mercury reduction
are required to understand the molecular and metabolic mechanisms involved in mercury removal by
strain MSR33 under anaerobiosis.
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The results of this study indicate that C. metallidurans MSR33 is an attractive biocatalyst for
mercury bioremediation of polluted water such as mine groundwater and industrial wastewater under
aerobic and anaerobic conditions.

5. Conclusions

The defined GBC culture medium was designed in this study for improved growth of strain
MSR33, which is limited by succinate as the only carbon and energy source. The MSR33 growth rate in
the GBC medium increased up to eight times compared to growth rate values reported by previous
studies of this strain.

Mercury inhibited the growth and respiratory rate of strain MSR33 in liquid medium under
aerobic conditions. However, the growth and respiration inhibitions were reversed after 5 h. Notably,
strain MSR33 was able to remove mercury in a liquid medium under anaerobic conditions but higher
removal of mercury was observed under aerobic conditions than under anaerobiosis.

This study suggests that in spite of the fact that mercury (II) harms C. metallidurans MSR33
metabolic activity, this strain is able to remove mercury from contaminated water and to recover its
metabolic activity after 5 h. Therefore, C. metallidurans MSR33 may be useful for mercury bioremediation
in polluted water under aerobic and anaerobic conditions.
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Abstract: Immobilization process improves the enzyme properties, like stability, activity, selectivity or
specificity. In the study, a novel cysteine-functionalized MxOy (ZrO2, SiO2) material was used
as a support for the immobilization of laccase from Trametes versicolor. The proposed matrix was
prepared using a simple sol-gel method. The cysteine was introduced during the synthesis of a
sample. Additionally, the obtained supports were modified with glutaraldehyde. The basic properties
of the prepared cysteine functionalized ZrO2 and SiO2 were determined using spectroscopic, thermal,
porous, electrostatic and elemental analysis. Furthermore, the obtained biocatalytic systems were
used as catalysts in the oxidation of sulfonic acid. Catalytic and kinetic parameters were determined
based on the proposed model reaction. Next, laccase immobilized on ZrO2- and SiO2-based materials
were, for the first time, utilized in the decolorization of Alizarin Red S. In that process, the influence
of duration, pH and temperature on the efficiency of decolorization was evaluated. The results show
that the proposed biocatalytic systems offer good specific activity (ca. 19 U/mg) and activity retention
(ca. 77%). Importantly, they can be successfully used in the decolorization of Alizarin Red S with
high efficiency (above 95%).

Keywords: l-cysteine; SiO2; ZrO2; laccase; catalysis; kinetic; decolorization

1. Introduction

The enzyme immobilization is a powerful tool in biocatalyst design, improving protein properties.
A proper immobilization can increase stability and activity of enzyme under conditions far from the
physiological ones, enzyme selectivity and specificity (using substrates far from the physiological
ones), enzyme purity and sensitivity to inhibition, as well as resistance to chemicals. The support
properties, the active group presence in the support and enzyme should be considered in immobilization
protocol [1].

Cysteine ((R)-2-amino-3-mercaptopropionic acid, Cys) is a branched amino acid which contains
three functional groups: thiol, amino and carboxyl. The thiol groups can be used to create supports
with disulfide bonds. The thiol groups can form stable disulfide bonds; they may bind with metals
by coordinate bonding or remain in reduced form [2,3]. Besides, thiol groups play an important
role in the synthesis and functionality of metal nanoparticles, because of their high affinity to the
particle surface [4]. Additionally, cysteine prevents the aggregation of nanoparticles and enables the
attachment of enzymes on the particles’ surface. The amino and carboxyl groups present in Cys are
suitable for the immobilization of enzymes. Furthermore, because of the presence of thiol groups,
cysteine is used in the pharmaceutical industry (for drug delivery) and the food industry (as a food
additive) [5,6]. Cysteine as a natural antioxidant in several biological processes, including protein
synthesis, metabolism, and detoxification. Due to its thiol groups, cysteine can easily be oxidized to
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cystine, a dimeric amino acid. This reaction is reversible and allows the control of a wide range of
biological activities and protein structures, and, therefore, the determination of cysteine in biological
matrices and pharmaceutical preparation is highly important [5]. The cysteine is using in food chemistry
as a reducing agent in production of French bread, crackers and cookies. The cysteine is effective
in preventing browning of fruit juice during concentration. They also prevent the development of
off-flavor in stored orange juice. In addition, in flavor chemistry, cysteine is an important source of
sulfur in a variety of aromas [6].

Metal oxides (MxOy: SiO2, ZrO2, ZnO, Fe2O3, Al2O3, etc.) are commonly used as supports for
the immobilization of enzymes because of their good thermal and chemical stability, in addition to
excellent mechanical resistance [7–10]. These materials are easy to synthesize, which makes them
relatively cheap. Moreover, the surface of MxOy particles can be modified by various groups,
enabling the attachment of enzymes to the surface. The thiol groups present in cysteine have a strong
tendency to be adsorbed onto the surfaces of certain metals [11]. According to reports in the literature,
cysteine has been used for modifying nanoparticles of gold [12,13], silver [14,15], copper [16] and
nickel [17]. Cysteine is also used in the synthesis or modification of nanoparticles which are then used
as supports for enzymes. For example, Verma et al. [18] synthesized ZnO using l-cysteine, and then
immobilized urease on the cysteine/ZnO nanoparticles. Results have also been reported concerning
the modification of silica with cysteine and the use of the obtained material for immobilization of
lipase [19]. Magnetic nanoparticles have also been functionalized with Cys and used as a support for
xylose reductase [20]. Bezbradica et al. [21] prepared a matrix by chemical activation with cysteine
and glutaraldehyde. The proposed support was used to immobilize four different molecules (trypsin,
penicillin acylase G, lipase, and E. coli BL21 cell extract). In these studies, the immobilization is
promoted through a two-step mechanism: in a first step, the enzyme is adsorbed on the support via
an anionic exchange mechanism and, then, the covalent immobilization occurs. Immobilization on
standard amino support activated with glutaraldehyde is usually via a first ionic exchange, then the
covalent bonds may be produced. This is, in fact, a heterofunctional support [22,23]. In most cases,
the imine linkage is formulated between glutaraldehyde-activated support and amino groups of
enzyme, which should be later reduced to strengthen the linkage. However, most of the proteins are
immobilized at neutral pH on glutaraldehyde-activated supports because imine in aqueous medium is
unstable and the equilibrium enzyme support is shifted to the dissociated form. According to this,
the linkages on glutaraldehyde-activated supports are performed through the reaction with cycled
forms of the glutaraldehyde. This may cause that linkages are more stable than the imines [24,25].
Additionally, the surface of the support functionalized with cysteine is positively and negatively
charged. If that surface is activated with glutaraldehyde, the mixed anionic/cationic exchange between
enzyme and support takes place [26]. However, it also should be mentioned that, if the support
has primary amino groups, and is modified with glutaraldehyde, the covalent bonds can also take
place [27,28].

Dyes are organic, colored compounds which are capable of dyeing animal fibers (wool, silk),
plant fibers (cotton, flax), leather, etc. The color of organic dyes depends on the presence in the molecule
of chromophores (responsible for color formation) and auxochromes (electron donors which also increase
the color by improving the solubility and adhesion of the dye to the fiber) [29,30]. Organic dyes
are classified as chemical (e.g., nitro, anthraquinone, indigoid) and technical (e.g., acid, basic, vat,
and reactive) [31]. Organic dyes are among the most significant contaminants of wastewater, because
of their extensive use in numerous industries [32]. Alizarin Red S (ARS) is a 3-substituted derivative
of 1,2-dihydroxy-9,10-anthraquinone, which belongs to the group of most durable dyes in textile
wastewaters. That dye is water soluble and has application in histological studies to identifying
calcium in tissues and vital staining of bone. The ARS can induce structural and functional changes
to serum albumins [33]. The research show that ARS are also introduced adverse effects to organisms,
such as oxidative damages. Moreover, other experimental show that anthraquinone and its sulfonated
derivatives could cause cytotoxicity, genotoxicity and DNA strand breakage [34]. Many methods
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are used for the degradation and decolorization of dyes. These methods can be divided into three
categories: physical methods (nano-filtration, reverse osmosis, electrodialysis) [35], sorption techniques
(photochemical, electrochemical destruction) [36] and biological methods (enzymatic degradation) [37].
Biological methods have low running costs, produce stable and harmless final products, and also
require fewer chemicals and less energy than physical and chemical methods. Furthermore, enzymatic
degradation complies with the principles of green technology [38]. Immobilized enzymes, especially
oxidoreductases (laccases and peroxidases), are used to improve decolorization methods. Many dyes—for
example, Acid Blue, Reactive Blue, Remazol Brilliant R, Direct Red etc.—have been decolorized using
immobilized laccase. For this purpose, MOFs, bacterial nanocellulose, electrospun fibers and graphene
oxide have been utilized as supports for the immobilization of laccase [39–42]. Besides the laccase,
the different peroxidases were also successfully used to decolorize organic dye-based wastewaters [43–45].

In this study, we propose a novel cysteine-functionalized MxOy material as a support for
enzyme immobilization. The materials used are SiO2 and ZrO2, prepared by the sol-gel method.
Cysteine was applied in situ, that is, during the sol-gel synthesis. Additionally, the obtained
material was activated with glutaraldehyde to improve the attachment of laccase to the material
surface. Next, laccase from Trametes versicolor (light, brown powder with activity above 0.5 U/mg) was
immobilized on the cysteine-functionalized MxOy by a simple adsorption method. The research included
evaluation of physicochemical properties (Fourier-transform infrared spectroscopy, thermogravimetric,
porous structure, zeta potential and elemental analysis) and catalytic properties (relative activity,
kinetic parameters, influence of pH, temperature, storage and reuse on enzymatic activity). The obtained
biocatalytic system was also tested in the decolorization of an organic dye (Alizarin Red S).

2. Materials and Methods

2.1. Materials

Sol-gel method: tetraethyl orthosilicate (TEOS), zirconium isopropoxide (ZIP), NH3aq (25%),
ethanol, isopropanol, l-cysteine (Cys), HCl. Immobilization process: glutaraldehyde (GA), laccase from
Trametes versicolor (Lac), buffers: acetate (0.1 M; pH = 2–5), phosphate (0.1 M; pH = 6–8) and TRIS
(0.1 M; pH = 9–10), Bradford reagent, 2,2-azino-bis(3-ethylbenzothiazoline-6-sulfonic acid) (ABTS).
Decolorization of dyes: Alizarin Red S (ARS). All materials were purchased from Sigma-Aldrich®

(St. Louis, MO, USA).

2.2. Synthesis of l-Cysteine-Functionalized MxOy

The metal oxides (SiO2 and ZrO2) were synthesized by a sol-gel method. In the first stage,
an appropriate alcohol (ethanol for SiO2 and isopropanol for ZrO2) was introduced into a reactor. Next,
the organic precursor (TEOS for SiO2 and ZIP for ZrO2) and the promotor of hydrolysis (NH3aq.) were
dosed. Then l-cysteine (10% wt./wt., in 1 M of HCl) was added. The components were mixed for 1 h
(at ambient temperature) and left to age for 48 h. The synthesized materials were dried at 105 ◦C for
12 h. Finally, the obtained powder was washed several times using distilled water and alcohol, and the
prepared materials were again dried (12 h, 105 ◦C). As a result, the systems SiO2_Cys and ZrO2_Cys
were obtained. The precise information regarding sol-gel synthesis is presented in Table 1.

Table 1. Details information about reagents composition used in sol-gel synthesis of MxOy system.

ZrO2 SiO2

Isopropanol—250 mL Ethanol—100 mL
ZIP—60 mL TEOS—17 mL

NH3aq—30 mL NH3aq—11 mL

In the next step, SiO2_Cys and ZrO2_Cys were activated with glutaraldehyde (5% in pH = 7 buffer)
for 24 h. This led to the systems SiO2_Cys_GA and ZrO2_Cys_GA.
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The four kind of supports (SiO2_Cys; SiO2_Cys_GA, ZrO2_Cys and ZrO2_Cys_GA) were used in
the next step of research.

2.3. Immobilization of Laccase from Trametes Versicolor and Bradford Analysis

Immobilization of laccase from Trametes versicolor was led by adsorption and covalent method.
The support (0.5 g of SiO2_Cys; SiO2_Cys_GA; ZrO2_Cys and ZrO2_Cys_GA) was added to the
laccase solution (25 mL of solution with the concentration of 5 mg/mL in 0.1 M buffer at pH = 4).
The immobilization process took place for 3 h at 25 ◦C in an incubator (IKA-Werke, Staufen, Germany).
Bradford analysis was used to calculate the quantity of immobilized enzyme [46]. The quantity of
immobilized enzyme (mg/gsupport) is determined from the difference between the initial amount of
enzyme and the final laccase concentration in the mixture after immobilization. The calculation was
made relative to the mass of the support. The quantity of immobilized laccase (P) and immobilization
yield (IY) were calculated using Equations (1) and (2):

P =
(C0 −C1) ×V

m
(1)

IY =
C1

C0
× 100 (2)

where C0 and C1 denote the concentration of the enzyme (mg/mL) in solution before and after
immobilization, respectively, V is the volume of solution (mL), and m is the mass of support
(g). The following four biocatalytic systems were prepared: SiO2_Cys_Lac; SiO2_Cys_GA_Lac;
ZrO2_Cys_Lac and ZrO2_Cys_GA_Lac.

2.4. Physicochemical Characterization

Spectroscopic, thermogravimetric, porous structure, zeta potential and elemental analysis were
applied to characterize the samples obtained during the study.

The pure supports (ZrO2_Cys, ZrO2_Cys_GA, SiO2_Cys and SiO2_Cys_GA) were evaluated by
means of thermal and elemental analysis. Thermogravimetric analysis (TG/DTG) was performed using
a Jupiter STA 449F3 thermogravimetric analyzer (Netzsch, Selb, Germany). A sample (ca. 5 mg) was
heated in a nitrogen atmosphere in the temperature range 30–1000 ◦C.

Contents of carbon, nitrogen, hydrogen and sulfur were evaluated to confirm the effectiveness of
modification with cysteine. For this purpose, the Vario EL Cube apparatus (Elementar Analysensysteme,
Langenselbold, Germany) was used. The analyzed sample (ca. 20 mg) was combusted in an oxygen
atmosphere. After passing through a reduction tube, the resulting gases were separated in an adsorption
column, and then recorded using a detector. The results are given as averages of three measurements,
each accurate to 0.0001%.

Other analyses were used to characterize samples obtained before and after immobilization.
Spectroscopic analysis was performed based on FTIR spectra obtained using a Vertex 70 spectrometer
(Bruker, Billerica, MA, USA). The analyzed sample had the form of a tablet, made by pressing a mixture
of anhydrous KBr (ca. 0.25 g) and 0.001 g of the analyzed material in a special steel ring under a
pressure of 10 MPa.

Basic porous structure parameters of prepared samples were determined using an ASAP 2020
instrument (Micromeritics Instrument Co., Norcross, GH, USA). Before the analysis, all samples
were degassed (support at 120 ◦C and biocatalytic system at 70 ◦C) for 4 h prior to measurement.
Next, based on low-temperature N2 sorption the analysis was carried out. Using the BET
(Brunauer–Emmett–Teller) and BJH (Barrett–Joyner–Halenda) methods, the surface area (ABET),
total pore volume (Vp) and mean pore diameter (Sp) were assessed. Due to the high accuracy of the
instrument used, surface area was determined to an accuracy of 0.1 m2/g, pore volume to 0.01 cm3/g,
and pore size to 0.01 nm.
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Additionally, the zeta potential and isoelectric point (IEP) were evaluated using the LDV
(Laser Doppler Velocimetry) technique, and calculated based on the Henry equation. These parameters
were determined using a Zeta Nano ZS equipped with an MPT-2 automatic titration system
(Malvern Instruments Ltd., Malvern, Worcester, UK). For the measurement, 0.01 g of the sample was
dispersed in 25 mL of sodium chloride solution. Titration was performed with 0.2 M solutions of HCl
and NaOH. The standard deviation of the zeta potential measurement was 61.5 mV. The apparatus
measures a single zeta potential 30 times at defined pH, and the average value is used as the final
result. The standard deviation of the pH value measurement was 0.1.

2.5. Catalytic Properties

The influence of pH, temperature, storage stability and reusability on the catalytic activity
of a biocatalytic system is the most important information describing an immobilized enzyme.
The influence of temperature was tested in the range 30–70 ◦C, and the influence of pH in the range
3–7. Storage stability was evaluated after 30 days (the immobilized enzyme was stored in a pH
= 4 buffer at 4 ◦C). Reusability is the most important parameter for an immobilized enzyme; thus,
the relative activity was investigated after 10 cycles. For clearer presentation of the data, in these
experiments, the highest activity of free and immobilized laccase was defined as 100% activity. All of
the above parameters were determined based on the reaction of oxidation of ABTS. In this case,
10 mg of free or immobilized laccase was added to 20 mL of 0.1 mM ABTS. The reaction was carried
out for 20 min at 40 ◦C. Next, the mixture was centrifuged, and the absorbance was measured at
λ = 420 nm (V-750 spectrophotometer, Jasco, Oklahoma City, OK, USA). The required parameters to
define the immobilization process were determined [47]. The apparent activity of laccase was defined
as the quantity of enzyme which oxidized 1 μM of ABTS per minute per 1 g of support. The activity
retention and specific activity of laccase immobilized on the support were calculated according to
Equations (3) and (4):

AR =
AS1

AS0
× 100% (3)

AS =
AAp

P
(4)

where AR—retention activity (%); AS—specific activity (U/mgenzyme); AS1—specific activity of
immobilized Lac (U/mg); AS0—specific activity of free Lac (U/mg); AAp—apparent activity (U/gsupport);
P—amount of immobilized Lac (mg/g).

Additionally, the kinetic parameters (KM, the Michaelis-Menten constant; and Vmax, the maximum
reaction rate) were evaluated based on the above-mentioned ABTS oxidation reaction and calculated
using Hanes–Woolf plots. In this process, various concentrations of the ABTS solution (0.005–1.5 M)
were used.

All measurements were made in triplicate. Results are presented as mean ± 3.0 SD.

2.6. Decolorization of Alizarin Red S

A process of decolorization of Alizarin Red S dye was carried out using the four prepared
biocatalytic systems. For this purpose, 100 mg of each of the biocatalytic systems was placed in 10 mL
of Alizarin Red S dye solution (50 mg/mL; pH = 7). The process was performed at 30 ◦C for 24 h.
The influence of time (0.5, 1, 3, 6, 9, 12, 24 h), temperature (25–70 ◦C) and the pH of the environment
(2–9) on the effect of decolorization of the dye was determined. During these tests, differences in pH in
absence of enzyme did not influence dye decolorization. Each experiment was carried out in triplicate,
and the results are presented as average values.
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After each of the above-mentioned experiments the absorbance of the resulting solution was
measured (α = 464 nm; V-750 spectrophotometer, Jasco, Oklahoma City, OK, USA). The efficiency of
decolorization of the dye was calculated based on the value of absorbance and using Equation (5):

ED =
CB −CA

CB
× 100% (5)

where ED is the efficiency of decolorization of ARS; CB and CA are the concentrations of ARS dye
before and after the decolorization process, respectively.

3. Results

3.1. Thermogravimetric and Elemental Analysis of Pure Supports (ZrO2_Cys, ZrO2_Cys_GA, SiO2_Cys and
SiO2_Cys_GA)

The materials used as supports for the immobilization of enzymes should have high thermal
stability. Thermogravimetric analysis is one of the methods of evaluating the thermal stability of
materials. The TG/DTG curves of pure cysteine show that this material has low thermal stability
(Figure 1a,b). Two mass losses are observed: the first at ca. 200 ◦C related to physically adsorbed water,
and the second at ca. 400 ◦C corresponding to the release of crystallization water. Zirconium and
silica oxides offer good thermal stability [48]. As shown in Figure 1, all of the materials prepared in
this study have high thermal stability. A mass loss of 20% was observed over the whole analyzed
temperature range (30–1000 ◦C) for ZrO2_Cys (Figure 1a). An additional mass loss at 900 ◦C was
observed for the ZrO2_Cys_GA system, probably associated with the thermal decomposition of
glutaraldehyde. For SiO2_Cys and SiO2_Cys_GA, the mass loss was smaller than in the case of the
zirconium materials. In this case the total mass loss was 10% over the analyzed range of temperatures
(30–1000 ◦C). To summarize these results, it was found that the proposed cysteine-functionalized ZrO2

or SiO2 materials are suitable for use as supports in the immobilization of enzymes.

  
(a) (b) 

  
(c) (d) 

Figure 1. Thermogravimetric curves and their first derivatives (DTG). (a,c) ZrO2_Cys and ZrO2_Cys_GA;
(b,d) SiO2_Cys and SiO2_Cys_GA.
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Moreover, contents of N, C, H and S were determined to confirm the functionalization with
cysteine and glutaraldehyde. The results are given in Table 2. To confirm the effectiveness of the
modification, the table also provides data for pure ZrO2 and SiO2. An analysis of these data shows
that the modification with cysteine and glutaraldehyde was successful. The contents of N, C and S
increased for the sample with Cys and GA. The systems ZrO2_Cys and ZrO2_Cys_GA have higher
contents of nitrogen, carbon and sulfur (N = 0.49%, C = 3.32% and S = 2.18%; N = 0.49%, C = 4.46%
and S = 2.14%, respectively) than SiO2_Cys and SiO2_Cys_GA (N = 0.07%, C = 1.01% and S = 0.12%;
N = 0.09%, C = 1.57% and S = 0.11%, respectively). These results show that functionalization with Cys
and GA was more effective for ZrO2-based samples.

Table 2. Content of N, C, H and S in the analyzed samples.

Sample
Name

N C H S

(%)

ZrO2 0.05 1.09 2.60 0.15
ZrO2_Cys 0.49 3.32 2.63 2.18

ZrO2_Cys_GA 0.49 4.46 2.61 2.14

SiO2 0.04 0.15 1.67 0.08
SiO2_Cys 0.07 1.01 1.68 0.12

SiO2_Cys_GA 0.09 1.57 1.40 0.11

3.2. Spectroscopic, Porous and Zeta Potential Analysis of Samples before and after Immobilization

FTIR analysis is one of the most common methods used to identify the characteristic groups present
in samples. In this study, samples were evaluated by this method both before and after immobilization.
The FTIR spectra are shown in Figure 2, and the characteristic groups are summarized in Table 3. The
amino (N–H; 3215 cm−1), thiol (S–H; 2550 cm−1) and carboxyl (C–O; 1585 cm−1) groups are observed
in cysteine (Figure 2a,c). Moreover, ZrO2-Cys and ZrO2_Cys_GA contain several groups appearing
at 3180–3650 (N–H and O–H), 1610 (C–O), under 1000 (Zr–O, Zr–OH and Zr–O–Zr) and 2845 cm−1

(C–H; only for the sample with GA) (Figure 2a). Furthermore, N–H (3450 cm−1), C–H (2960 cm−1)
and amide I, II and III (1620, 1480 and 1320 cm−1, respectively) groups are present in the enzyme
structure (Figure 2b,d). The systems with laccase immobilized on ZrO2_Cys and ZrO2_Cys_GA contain
groups characteristic of both the support and free laccase. The most characteristic bands on the FTIR
spectrum of ZrO2_Cys_Lac appear at 1615, 1492 and 1334 cm−1, corresponding to amide I, II and
III, respectively. However, ZrO2_Cys_GA_Lac contains only amide I and III (1616 and 1328 cm−1).
A similar situation is found for the SiO2-based materials. Signals for N–H and O–H (3176–3578 cm−1),
C–O (1622 cm−1), Si–O, Si–O–Si (>1000 cm−1) and C–H (2875 cm−1) can be identified on the spectra
of SiO2_Cys and SiO2_Cys_GA. However, the SiO2_Cys_Lac and SiO2_Cys_GA_Lac spectra contain,
besides the characteristic groups for the support, only a small peak at 1624 cm−1 corresponding to the
amide I band. Based on the FTIR results, the effectiveness of immobilization of laccase can be partially
confirmed. Changes in the range 1650–1310 cm−1 (corresponding to amide I, II and III) confirmed the
presence of laccase molecules on the cysteine-functionalized zirconia and silica materials.
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(a) (b) 

  
(c) (d) 

Figure 2. FTIR spectra of samples before (a,c) and after (b,d) immobilization of laccase.

Table 3. Characteristic groups present in cysteine, laccase, and samples before and after immobilization
of laccase.

Sample Characteristic Groups Wavenumber (cm−1)

Cys
N–H 3215
S–H 2550
C–O 1585

Lac

N–H 3450
C–H 2960

Amide I, II and III 1620, 1480 and 1320

ZrO2_Cys N–H, O–H 3180–3650
C–O 1610

Zr–O, Zr–O–Zr >1000
ZrO2_Cys_GA C–H 2845

ZrO2_Cys Amide I, II and III 1615, 1492 and 1334
ZrO2_Cys_GA Amide I and III 1616 and 1328

SiO2_Cys N–H, O–H 3176–3578
C–O 1622

Si–O, Si–O–Si >1000
SiO2_Cys_GA C–H 2875

SiO2_Cys_Lac
Amide I 1624

SiO2_Cys_GA_Lac

The porosity of materials also plays an important role in enzyme immobilization. A classical method
of immobilization is adsorption. Materials may be potential supports if they have a well-developed
porous structure. In Table 4, the basic porous parameters (surface area, maximum pore volume and
mean pore diameter) are shown. The ZrO2_Cys and ZrO2_Cys_GA systems have large surface areas of
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295 and 262 m2/g, respectively. After immobilization the surface area decreased, attaining values of
292 m2/g for ZrO2_Cys_Lac and 146 m2/g for ZrO2_Cys_GA_Lac. This is probably associated with
the attachment of laccase to the support surface and the blocking of pores. The SiO2-based materials
(SiO2_Cys and SiO2_Cys_GA) have smaller surface areas (20 and 17 m2/g) than the ZrO2-based materials.
However, the surface area again decreased after immobilization. In this case, the pore diameter was
also reduced after immobilization, which may be related to the deposition of laccase inside the pores.

Table 4. Porous parameters of samples before and after immobilization of laccase.

Sample ABET (m2/g) Vp (mL/g) Sp (nm)

ZrO2_Cys 295 0.032 1.9
ZrO2_Cys_Lac 292 0.034 1.9

ZrO2_Cys_GA 262 0.029 1.9
ZrO2_Cys_GA_Lac 146 0.026 1.9

SiO2_Cys 20 0.018 4.2
SiO2_Cys_Lac 16 0.007 2.1

SiO2_Cys_GA 17 0.006 2
SiO2_Cys_GA_Lac 13 0.006 2.1

In the final part of the physicochemical analysis, the zeta potential (ζ) and isoelectric point (IEP)
were determined (Figure 3). Based on the zeta potential values, the electrostatic interactions between
the enzyme and support were investigated. The value of ζ for ZrO2_Cys at all analyzed pH (2–10) is
between 40 and –50 mV, with the isoelectric point at 4.57 (Figure 3a). Small changes in the zeta potential
are observed after the immobilization of laccase on ZrO2_Cys (ZrO2_Cys_Lac), and the isoelectric point
of ZrO2_Cys_Lac occurs at pH = 4.00. Analyzing the zeta potential and isoelectric point values of
ZrO2_Cys_GA (before and after immobilization) no significant changes were observed (Figure 3b).
A similar situation was found for the samples based on SiO2, before and after immobilization of
laccase. However, the zeta potential of the proposed biocatalytic systems is more negative. This is
associated with the slipping plane, which is slightly stronger after the immobilization of laccase onto
cysteine-functionalized ZrO2 and SiO2 materials [49,50].

 
(a) (b) 

Figure 3. Zeta potential values as a function of pH for samples based on (a) ZrO2 and (b) SiO2 before
and after immobilization.

Based on the FTIR, BET and potential zeta results, a mechanism for the immobilization of laccase
on cysteine-functionalized MxOy (activated or not with glutaraldehyde) was proposed and presented
in Figure 4. The results from FTIR and zeta potential analysis suggest that the immobilization of laccase
on MxOy_Cys without glutaraldehyde take place through non-specific forces such as Van der Waals
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and electrostatic interactions. Whereas, the activation of MxOy_Cys with glutaraldehyde is usually via
a first ionic exchange. Then the immobilization by covalent bonds is possible. In addition, the surface of
cysteine-functionalized MxOy is positively and negatively charged. When that surface is activated with
glutaraldehyde, the mixed anion/cationic exchange takes place [26]. On the other hand, the changes in
porous structure observed after immobilization suggest that enzyme was adsorbed inside the pores
of support.

 

Figure 4. A suggested mechanism of immobilization of laccase onto cysteine-functionalized MxOy.

3.3. Catalytic Properties of the Obtained Biocatalytic Systems

Catalytic parameters of the prepared biocatalytic systems are presented in Table 5. These data
show that the highest quantity of laccase was immobilized on ZrO2_Cys (250 mg per 1 g of support),
while for the other systems the quantities of immobilized enzyme were smaller (212–225 mg/g). In all
cases, the immobilization yield is in the range 94–99%. The activity of biocatalytic systems determines
their possible applications. The specific activity of the ZrO2_Cys_Lac biocatalytic system was found
to be 19.3 U/g, compared with 25 U/mg for free laccase. This means that the immobilized laccase
(ZrO2_Cys_Lac) retained about 77% of the initial activity. The system ZrO2_Cys_GA_Lac had slightly
lower specific activity (13.5 U/mg) and activity retention (ca. 54%). The activity of laccase immobilized
on ZrO2_Cys_GA is lower than in the case of ZrO2_Cys, because the modification with glutaraldehyde
has an impact on both the enzyme structure and the enzymatic activity. For the other biocatalytic
systems, significantly smaller values were obtained (0.6 U/mg and 2.6% for SiO2_Cys_Lac; 7.1 U/mg
and 28.5% for SiO2_Cys_GA_Lac). Table 5 also contains kinetic parameters of the obtained biocatalytic
systems, which indicate the affinity of laccase to its substrate. The Michaelis constant (KM) for the
laccase immobilized on ZrO2-based materials (0.11–0.14 mM) is smaller than the value for free laccase
(0.18 mM). Changes are also observed for the maximum retention velocity (Vmax). The Vmax values
for laccase immobilized on cysteine-functionalized ZrO2 were higher (0.095 mM/s for ZrO2_Cys_Lac;
0.031 mM/s for ZrO2_Cys_GA_Lac) than the value for free laccase (0.027 mM/s). These results indicate
a slightly higher substrate affinity in the case of the immobilized biomolecules. The kinetic parameters
of SiO2_Cys_Lac and SiO2_Cys_GA_Lac are similar to those of the free enzyme. Similar results
were obtained by Qiu et al. [51], which immobilized laccase onto inorganic mesoporous silica and
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natural organic polymer like chitosan using functional ionic liquid as bridging agent (SBA-CIL-CS).
Kinetic parameters measurement showed that the SBA-CIL-CS-Lac had the outstanding affinity to
the substrate.

The values of catalytic properties show that the kinetic parameters are changed after the
immobilization process. The changes in kinetic parameters are caused by the transformations of
the protein structure and the immobilization methods. Furthermore, a decrease in KM leads to an
increase in the enzyme’s affinity to the substrate. This probably occurs when the electric charges on the
support and substrate are of different sign [52,53].

Table 5. Catalytic and kinetic parameters describing the biocatalytic systems.

Sample P (mg/g) IY (%) AS (U/mg) AR (%) KM (mM) Vmax (mM/s)

Free Lac - - 25 ± 1.6 - 0.18 ± 0.024 0.027 ± 0.012

ZrO2_Cys_Lac 250 ± 5.6 99.9 ± 0.7 19.3 ± 1.5 77.2 ± 2.8 0.11 ± 0.021 0.095 ± 0.011
ZrO2_Cys_GA_Lac 225 ± 5.4 97.5 ± 0.7 13.5 ± 1.4 53.8 ± 2.5 0.14 ± 0.022 0.031 ± 0.013

SiO2_Cys_Lac 216 ± 5.3 95.6 ± 0.6 0.6 ± 0.3 2.6 ± 0.8 0.17 ± 0.023 0.028 ± 0.010
SiO2_Cys_GA_Lac 212 ± 5.3 94.5 ± 0.6 7.1 ± 1.1 28.5 ± 1.9 0.18 ± 0.022 0.029 ± 0.011

The immobilized enzymes are less sensitive to pH and temperature changes, retain high activity
after many days of storage, and can be used in several reaction cycles. Figure 5 shows the influence of
pH, temperature, storage stability and reusability on the activity of free and immobilized laccase. All of
the biocatalytic systems obtained in this study retain good activity under various chemical and thermal
conditions. Furthermore, good activity is retained after a number of days of storage and after several
reaction cycles. The ZrO2_Cys_Lac and ZrO2_Cys_GA_Lac systems maintain residual activity above
40% at all analyzed pH and temperature values. Furthermore, ZrO2_Cys_Lac retains high (above 90%)
activity after 30 days of storage and after 10 reaction cycles. Laccase immobilized on SiO2_Cys_GA
exhibits slightly lower activity (above 60%) in the same conditions. It preserves about 20–30% of its
initial activity at pH = 3–7 and ca. 40% at temperatures of 30–70 ◦C. Its activity after 30 days of storage
and after 10 reaction cycles is only 30–40% and 50–60%, respectively.

Table 6 summarizes the above results together with the results of other studies in which different
cysteine-functionalized supports were used to immobilize various enzymes. The table shows that
the results obtained using cysteine-functionalized ZrO2 and SiO2 materials as supports for laccase
are satisfactory compared with the other results. As shown, cysteine has been used to modify Ag,
Cu, ZnO and poly(glycidyl methacrylate)-SiO2, utilized as supports for alkaline phosphatase, urease
and lipase, respectively [15,16,18,19]. Upadhyay et al. [15] proposed a cysteine-Ag/AP biocatalytic
system, which exhibited a specific activity of 6.31 U/mg and activity retention of 67%, and retained 60%
of its initial activity after seven reaction cycles. Kumar et al. [16] and Verma et al. [18] immobilized
urease on cysteine-Cu and cysteine-ZnO, respectively. In both cases the activity retention was ca.
72%. Good results were also obtained by Chen et al. [19], who prepared cysteine-poly(glycidyl
methacrylate)-SiO2/Lip biocatalysts with high specific activity (44.1 U/mg) and activity retention
(63.3%). That system was also used over eight reaction cycles, retaining 40% of its activity.

Summarizing performed research it has been shown, that the catalytic properties of enzyme in
different pH, temperature, storage stability and reusability were improved. The support stabilizes
and stiffness the enzyme structure, which consequently protect enzyme against denaturation in
extreme pH and temperature conditions. Moreover, the carrier exposes the active sites of the catalyst
for easy attachment of substrate molecules and reduce diffusional resistance of the substrates and
products. The best catalytic properties were obtained when laccase was immobilized onto ZrO2_Cys.
It can be associated with the properties of that materials, especially well-developed porous structure.
Furthermore, the data from elemental analysis showed that the cysteine was successfully introduced
into the ZrO2. The activation with glutaraldehyde causes lowering of catalytic activity. It may be
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related with the presence of covalent bonds, which can block active site of enzyme and in consequently
reduced enzymatic activity.

  
(a) (b) 

(c) (d) 

Figure 5. Influence of (a) pH, (b) temperature, (c) storage stability and (d) reusability on relative activity
of free and immobilized laccase.

Table 6. Summary of catalytic properties obtained for different enzymes immobilized on
cysteine-functionalized materials.

Support Enzyme
As

(U/mg)
AR (%)

Number of Cycles;
Residual Activity (%)

References

cysteine-Ag nanoparticles
alkaline

phosphatase
(AP)

6.31 67 7; >60 [15]

cysteine-Cu urease (Ur) 45.8 72.4 10; >80 [16]

cysteine-ZnO urease (Ur) 3.42 72.5 - [18]

cysteine-poly(glycidyl
methacrylate)-SiO2

lipase (Lip) 44.1 63.3 8; >40 [19]

cysteine-ZrO2
laccase
(Lac) 19.3 77.2 10; >90 This study

cysteine-ZrO2-glutaraldehyde
laccase
(Lac) 13.5 53.8 10; >60 This study

3.4. Decolorization of Alizarin Red S

Laccase is an enzyme which is capable of degrading and decolorizing organic dyes from
wastewaters. In this study, the obtained biocatalytic systems were used for the decolorization
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of Alizarin Red S (ARS) dye. The results are presented in Figure 6, including the effect of time,
pH and temperature. As shown in Figure 6a, the ZrO2-based biocatalytic systems (ZrO2_Cys_Lac and
ZrO2_Cys_GA_Lac) produced a higher efficiency of decolorization of ARS dye over the analyzed process
duration, as compared with the SiO2-based biocatalytic systems (SiO2_Cys_Lac and SiO2_Cys_GA_Lac).
The highest decolorization efficiency was achieved after 24 h (95% for ZrO2_Cys_Lac and 85% for
ZrO2_Cys_GA_Lac), but an efficiency of ca. 90% was already reached after 5 h. After the same time,
the efficiency of decolorization of ARS using SiO2_Cys_Lac and SiO2_Cys_GA_Lac reached 35% and
20%, respectively. Laccase immobilized on ZrO2-based materials results in higher decolorization of
ARS dye because of the high specific activity and activity retention of these systems. It was observed
that Alizarin Red S can be successfully decolorized by immobilizing laccase on ZrO2-based materials.
Furthermore, the efficiency of decolorization of Alizarin Red S in this study was higher than in previous
reports where immobilized laccase was used. Zhao et al. [54] immobilized laccase on mesostructured
cellular foam silica (MCF), and obtained maximum decolorization of Alizarin Red S equal to 73%.
Similarly, Lu et al. [55] used alginate–chitosan microcapsules as a support for laccase. That biocatalytic
system was utilized in the decolorization of ARS, and the efficiency of decolorization was measured
at 70%.

 
(a) 

 
(b) (c) 

Figure 6. Effect of (a) process duration, (b) pH and (c) temperature on the efficiency of decolorization
of Alizarin Red S.

The immobilization process serves to produce biocatalytic systems that can be used in a range of
reaction conditions. Therefore, decolorization was carried out under different pH and temperature
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conditions (Figure 6b,c). Laccase immobilized on ZrO2_Cys and ZrO2_Cys_GA achieved a high
efficiency of decolorization (above 70%) in the whole of the analyzed pH and temperature ranges.
Laccase immobilized on SiO2_Cys and SiO2_Cys_GA resulted in significantly lower efficiency of
decolorization of ARS dye, reaching at most 40%. The results indicate that the biocatalytic systems
proposed in this study (especially ZrO2_Cys_Lac and ZrO2_Cys_Ga_Lac) have potential applications
in the decolorization of dyes from wastewaters.

4. Conclusions

The experiments performed in this study showed that large quantities of enzyme were attached
to the proposed materials. Cysteine-functionalized ZrO2 produced a higher immobilization yield
and enzymatic activity than cysteine-functionalized SiO2, which may suggest the superior ability of
ZrO2-based materials to attach to enzymes. Good thermal and electrokinetic stability, a well-developed
porous structure and the presence of specific groups enable the use of MxOy-based materials for the
immobilization of laccase from Trametes versicolor. In addition, based on that analysis the catalytic (AS and
AR) and kinetic (KM and Vmax) parameters of the obtained biocatalytic systems were determined based
on the oxidation of ABTS. The values of these parameters indicate the higher affinity of immobilized
laccase to the substrate compared with the free enzyme. Moreover, laccase immobilized on ZrO2-based
support retains high relative activity over a wide range of pH (>40%) and temperature (>50%), and also
after 30 days of storage (>60%) and 10 reaction cycles (>60%). Most importantly, very good results
were achieved in the decolorization of Alizarin Red S. In these tests, a high efficiency of decolorization
(97%) was obtained. The biocatalytic systems proposed in this study, based on cysteine-functionalized
metal oxide, may be used in removing other organic and pharmaceutical pollutants from wastewaters.
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Abstract: Bioremediation of contaminated sites is usually limited due to the inadequate availability
of nutrients and microorganisms. This study was conducted to assess the impact of bioaugmentation
(BA) and biostimulation (BS) on petroleum hydrocarbon degradation efficiency. In addition, treatment
performance and kinetics of different remediation processes were investigated. For this purpose, four
tanks containing oil-contaminated soils were tested. Tank 1 was operated as the natural attenuation
process. Then, a microbial inoculum and nutrients were added to tank 2 to promote BA and BS. In
tank 3, only the BA process was adopted, whereas in tank 4, only the BS process was adopted. After
63 days of operation, the total petroleum hydrocarbon (TPH) in tank 2 was reduced from 1674 to
430 mg/kg, with 74% reduction. Tank 1, tank 3, and tank 4 indicated TPH reductions of 35%, 41%,
and 66%, respectively. Microbiological analysis of the inoculum indicated that Alcanivorax was the
dominant bacterium. The population of TPH degrader bacteria in tank 2 soil was two orders of
magnitude higher than in the control tank. Reaction rate data were fitted with a first-order reaction
rate model. The Monod kinetic constants, maximum specific growth rate (μmax), and substrate
concentration at half-velocity constant (Ks) were also estimated. This study showed that the TPH
removal efficiency in the combined BA and BS process was higher than in other processes tested. The
populations of TPH degrading microorganisms in soil tanks were positively related to TPH removal
efficiency during bioremediation of petroleum-contaminated soils.

Keywords: bioaugmentation; bioremediation; biostimulation; crude oil; first-order reaction rate
model; Monod model; natural attenuation

1. Introduction

Petroleum contamination in subsurface environments has become a serious global environmental
hazard. Some of the main sources of this contamination are crude oil, refineries, and underground
storage tanks (UST). Additionally, some of the chemicals in fossil fuels tend to remain in the environment
for a long period of time. These persistent contaminants have several health risks to humans,
animals, and other living organisms. When hydrocarbon-containing contaminants spill on land,
degradation by indigenous microorganisms progresses slowly due to inadequate nutrients and
microorganism populations [1]. Bioremediation is recognized as a cost-effective treatment technology
for oil-contaminated soils [2]. For instance, bioaugmentation (BA) and biostimulation (BS) are the
two main bioremediation technologies commonly used for soil clean-up [3–8]. Bioaugmentation
works by introduction of exogenous microbial population to the contaminated environment [9–11].
Contaminated soils are inoculated with specially cultivated microorganisms with capabilities for
the degradation of certain contaminants. The term biostimulation is used to describe the addition
of essential electron acceptors such as nutrients to enhance the microbial growth [12–14]. On the
other hand, natural attenuation (NA) can include chemical reactions, volatilization, adsorption, and
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biodegradation. Microorganisms responsible for degrading petroleum products are defined as either
eukaryotic or prokaryotic organisms [15]. Several research studies have been conducted on the
treatment of hydrocarbons by various microorganisms [3–6,16–18]. Some of the microorganisms
that are effective on the biodegradation of petroleum hydrocarbons are the microorganisms from
genera Pseudomonas, Acinetobacter, Flavobacterium, Achromobacter, Rhodococcus, Mycobacterium, Bacillus,
Alcaligenes, Aspergillus, Mucor, Penicillium, and Candida [3,16,18].

This study was conducted to find a quick solution to soil contamination due to the leakages of
crude oil from transmission pipelines, oil refineries, and underground storage tanks (USTs). Even a
small crack on a UST or a pipe along the oil transmission pipelines causes leakages to natural soil
and nearby surface waters. It is very common that several incidences of oil leakages occur every year.
When these incidences occur, a remediation team reacts to the incident very fast before it spreads,
and recovers the contaminated soil and treats them ex situ before final disposal. Generally, these
contaminated soils are either incinerated or landfilled at hazardous waste landfills. However, the
bioremediation and recovery of these contaminated soils should be preferred to prevent the loss
of fertile soils. Therefore, rapid ex situ or in situ disposal of these soils is very crucial. This can
be achieved by coupling different technologies. In this study, addition of a microbial inoculum
(bioaugmentation) along with nitrogen, phosphorous, and potassium (NPK) nutrients (biostimulation)
were performed in simulated soil tanks to treat the contaminated soil. The overall aims of this
study were (1) to assess the efficiency of bioaugmentation with TPH-degrading bacteria Alcanivorax
and biostimulation with addition of nutrients nitrogen and phosphorus, for TPH degradation and
(2) to investigate the relationship between TPH degradation efficiency and microbial community
in petroleum-contaminated soil. The specific objectives of this study were (1) to investigate the
crude oil biodegradation efficiency in a freshly contaminated soil by combined bioaugmentation and
biostimulation processes, bioaugmentation process alone, biostimulation process alone, and by natural
attenuation; (2) to investigate the treatment time needed for each process; (3) to determine the changes
in the number of hydrocarbon degraders for each process during the treatment; and (4) to determine
the kinetic parameters for the treatment processes.

2. Materials and Methods

For each treatment process (BA+BS, BA, BS, and NA), experimental analysis included 3 replicates
and were repeated 3 times.

2.1. Soil Sampling

A clean soil sample was obtained from a site where there was no previous history of contamination.
Before loading the tanks, the soil sample was grinded and large particles were removed. Then, it was
air-dried at room temperature for 48 h. The volume of clean soil sample for each process, tank 1 (NA),
tank 2 (BA+BS), tank 3 (BA), and tank 4 (BS), was 0.4 m3.

2.2. Configuration of the Tanks

Simulated bioremediation tanks were designed and constructed for the remediation of soil by
natural attenuation, bioaugmentation + biostimulation, bioaugmentation, and biostimulation (Table 1).
Tanks were made of high-density polyethylene (HDPE). TPH was degraded in tank 1 under natural
attenuation condition (control tank). On the other hand, TPH in tanks 2, 3, and 4 was degraded under
the conditions of bioaugmentation and biostimulation (microbial inoculum and nutrients addition),
bioaugmentation (microbial inoculum addition only), and biostimulation (nutrient addition only),
respectively. The schematics of the pilot-scale bioremediation tanks were depicted in Figure 1. The
dimensions of the tanks were 100 cm × 100 cm × 40 cm, with a volume of 0.4 m3.
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Table 1. Configuration of the treatment tanks.

Microbial Inoculum
Addition

(Bioaugmentation)

Nutrients Addition
(Biostimulation)

(%20 N, %10 P, %10 K)
Crude Oil Addition

Tank 1 (NA) No No Yes
Tank 2 (BS + BA) Yes Yes Yes

Tank 3 (BA) Yes No Yes
Tank 4 (BS) No Yes Yes

Figure 1. Schematics of soil treatment tanks (a) Natural attenuation (NA), (b) Biostimulation
+Bioaugmentation (BS+BA), (c) Bioaugmentation (BA), (d) Biostimulation (BS).

2.3. Loading of the Tanks

Clean soil samples were placed in the tanks and mixed thoroughly by a shovel for homogenization.
Afterwards, the soil samples were contaminated by adding 1 L of crude oil to each tank. Clean tap
water was added to the tanks to sustain minimum of 20% water content. Then, the soil samples in all
tanks were mixed again for homogenization.

2.4. Natural Attenuation (Tank 1)

Tank 1 was operated as a natural attenuation process for comparison with other tanks; therefore,
no nutrients or microbial inoculum was added. However, 1 L of crude oil was added to tank 1 to
contaminate the soil. Natural attenuation treatment is defined as a natural process where no specific
remediation technology is used for the contaminated soil.

2.5. Bioaugmentation + Biostimulation (Tank 2)

Analysis of the contaminated soil indicated a C:N:P ratio of 10,000:0.0107.0:0.0027, which was very
high as the soil contained low N and P concentrations. The amount of nutrient addition to tank 2 was
calculated by using the C:N:P ratio, which was determined by calculating the mass concentration of the
crude oil added. Alexander [19] suggested that a C:N:P ratio of 100:10:2 is optimal for the remediation
of soil contaminated by petroleum hydrocarbon. Zhang, Cheng [20] and Alavi, Mesdaghinia [21]
reported that a C:N:P ratio of 100:5:1 is also considered optimal. In this study, the C:N:P ratio of 100:5:1
was used as a reference value. This C:N:P ratio was reached by adding appropriate amounts of NH4Cl
and KH2PO4 to tank 2. Since 1 L of crude oil was added to each tank, 50 g of N was added to satisfy
the C:N ratio of 100:5. Since the fertilizer nutrient contains 20% N, 250 g of NH4Cl was added to reach
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the 50 g of N. Therefore, the initial N addition was 50 g, or 250 g of N NH4Cl that contains 50 g of N.
Based on the C:N:P ratio of 100:5:1, 10 g of P was needed, which is equal to 100 g of KH2PO4 (%10 of K).
The density of the soil used in the tanks was 1200 kg.m−3, which is equal to 480 kg of soil in each tank.

In bioremediation processes, microorganisms convert organic compounds such as crude oil into
non-toxic substances such as CO2 and H2O. Any given bacteria can occur naturally and require
essential nutrients. In most cases, naturally occurring microorganisms (indigenous microorganisms)
are not in sufficient numbers for complete degradation. Thus, there exists an opportunity to enhance
and accelerate the natural degradation by the introduction of additional microorganisms and nutrients.
When mixed with water and applied as a slurry to contaminated soil, microorganisms break down the
molecular structures of the targeted hydrocarbons by utilizing their mass as a source of energy. Because
of the high degree of interface between bacteria and the hydrocarbon, the rate of degradation tends to
be quite rapid at first, but gradually diminishes as the more biodegradable hydrocarbon is consumed.

The microbial inoculum used in this study was manufactured as a combination of naturally
occurring species. Microbiological analysis of the inoculum indicated that Alcanivorax was the dominant
bacterium. The bacteria/enzyme mixture used in this study is a combination of naturally occurring
species and was manufactured in the U.S. The product contains dried mixed natural bacteria and
enzymes combined in a mixture with micro-nutrients. Only naturally occurring, non-genetically
modified microorganisms were included in the product. In the making of the product, further efforts
were made to identify both the strains of microorganisms and the energy sources. The product is in the
form of a free-flowing powder and is activated by the introduction of water. Based on the amounts
of crude oil and fertilizers added, 50 g of microbial inoculum was added to 10 L of clean tap water
and stirred to solubilize the product. This amount was determined according to the specifications
provided by the manufacturer. The slurry then sat for 30 min to make sure that the microorganisms in
the product were activated. Then, the slurry was sprayed over the surface of the soil in tank 2, while
mixing the soil to make sure that the product was mixed homogenously with the soil.

2.6. Bioaugmentation (Tank 3)

Tank 3 (BA) was operated to measure the effects of bioaugmentation process on TPH removal
rates and the number of TPH degrader bacteria, and then compared the results with tank 2 (BA+BS),
tank 4 (BS), and tank 1 (NA). The amount of microbial inoculum addition to tank 3 was calculated
exactly the same as it was calculated for tank 2. Nutrient addition was not carried out in tank 3, thus,
only microbial inoculum addition was evaluated.

2.7. Biostimulation (Tank 4)

Tank 4 (BS) was operated to measure the effects of biostimulation process on TPH removal rates
and the number of TPH degrader bacteria in the tanks, and then compared the results with other tanks.
The amount of nutrient addition to tank 4 was calculated exactly the same as it was calculated for
tank 2. Microbial inoculum addition was not carried out in tank 4.

2.8. Oxygen Supply and Moisture Content

Aeration through mixing the contaminated soil serves as a highly effective catalyst to speed up
the degradation process. The product of microbial inoculum contains facultative strains; thus, they use
either dissolved or chemically combined oxygen. Surely, they operate more effectively with dissolved
oxygen because they can obtain more oxygen from it. Straight chained hydrocarbon molecules are
broken down faster than those cross-linked and branched chained molecules. However, it takes longer
to be broken down for many of the cyclic compounds. Therefore, aeration was done in tank 2, tank 3,
and tank 4 by daily mixing to provide adequate oxygen to the system. Tank 1 was not aerated since it
was used as a control.

All bacteria, either commercially produced or indigenous, need an aqueous environment for
growth. For this reason, optimum moisture content must be maintained during the treatment program.
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Desired moisture content in all tanks was accomplished by wetting of the soils with clean tap water.
By doing this, soil moisture content of at least 25% was maintained. Simultaneous mixing was
performed during wetting of the soil to make sure that the water was mixed homogenously with the
contaminated soil.

2.9. Soil Analyses

2.9.1. TPH Analysis

TPH was measured based on the carbon number of between C10 and C40 (diesel and oil range).
Samples were collected from the tanks at the start of experiments, and every week further on for 63 days.
The United States Environmental Protection Agency (USEPA) [22] sampling method 5035A was used
to reduce the amount of disturbance during collecting of soil samples. Due to their chemical structure,
petroleum compounds are vulnerable to sampling, transport, and analysis. The EPA method 5035A
reduces the volatilization by using a sealed sample vial. Extraction of the samples was performed
according to the EPA 3820 method [23]. About 10 g of wet soil sample was mixed with a reagent
in a centrifuge tube. Then, it was capped and shaken vigorously for 1 min. The sample was then
centrifuged, and the supernatant water was placed into a volumetric flask for TPH analysis. Then,
TPH was measured according to the US EPA 8015B method [24]. One of the methods for hydrocarbon
measurement is gas chromatography (GC), thus, it was used in this study. Then, 15 g of sample
were extracted with acetone and a retention time window standard solution. Sample extracts were
centrifuged to remove fine particles. The clear extracts were washed twice with 100 mL of water.
The organic layer was collected and dried with sodium sulfate. An Agilent Intuvo 9000 Series Gas
Chromatograph was used for the quantitative analysis of total petroleum hydrocarbon contamination
in soil samples.

2.9.2. pH Analysis

For pH analysis, EPA’s 9045D method was used [25]. In this test, 20 g of soil sample was weighed
in a beaker and 20 mL of distilled water was added. Then, the solution was mixed with a glass rod for
5 min and the beaker was left undisturbed for 1 h to allow suspended particles to settle. The liquid
phase at the top of the beaker was separated with a pipette and transferred to 50 mL centrifuge tubes.
These tubes were centrifuged at 9000 rpm for 10 min to separate the supernatant fraction from the
solution. The supernatant fraction was collected in 100 mL beakers and the pH was measured with a
previously calibrated pH meter.

2.9.3. Moisture Content

Collected samples were placed in an oven at 105 ◦C for 1 night. After removing the samples, they
were left until their temperature had reached room temperature and then were weighed immediately.
The samples were placed in the oven again for a few hours and weighed again until there was no
difference between the measured weights of the samples [26,27].

2.9.4. Organic Matter

Organic matter in soil affects the water retaining ability, biological activity, and water/air infiltration
rates. ASTM D 2974–standard test methods for organic matter of organic soils [28] was used to measure
the organic content of the soil samples. A porcelain dish containing the soil sample was placed in a
furnace, temperature of the furnace was increased to 440 ◦C, and the sample was left in the furnace
overnight. Then, the organic fraction of the soil was determined by subtracting the mass of the burned
soil (ash) from the mass of dry soil [29].
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2.9.5. Organic Carbon

The quantity of organic carbon was determined by treating dried soil samples with phosphoric
acid. Organic carbon was determined in the soil samples dried at 105 ◦C using a carbon analyzer.
Prepared soil samples were combusted at 1350 ◦C in an oxygen atmosphere and carbon was oxidized
to form CO2 [30].

2.9.6. Nutrients

Total nitrogen for the soil samples was determined according to the EN 13654 method [31]. This
method is called wet acidic digestion (H2SO4) of nitrogen-containing soil samples. There are three
steps involved in this method; digestion, distillation, and titration. The wet acidic digestion takes place
in a digestion flask, causing transformation of nitrogen to NH4

+ ions. In the distillation step, excess
base was added to the acid digestion mixture to transform NH4

+ to NH3. By titration, the amount of
NH3 in the receiving solution was quantified. The total nitrogen in the sample was then determined
from the quantified amount of ammonia ions in the solution. Total phosphorous in soil samples was
determined by digesting with perchloric acid and then measuring by colorimetry [32]. The quantity
of potassium in soil samples was determined according to the flame atomic emission spectrometry
method [33].

2.10. Microbial Analysis

Collected soil samples from the tanks underwent microbiological analysis before and after the
study. A fraction of soil sample (1 g) was placed in a bottle for microbial analysis. In this test, 1 g of
soil was added to 10 mL of distilled water and vortexed, then sequentially diluted. The microbial
density of bacteria was determined as explained by Nakasaki and Hirai [34]. Amphotericin B solution
at a concentration of 100 μL/L was added to modified Luria- Bertani (LB) agar medium and incubated
for 3 days to measure the growth of bacteria. Optimum growth temperature was seen at 30 to 35 ◦C.
Cell morphology was studied under an Olympus U-pot microscope, using overnight culture of the
strain grown on LB agar for gram staining. Colony forming unit (CFU) was determined by using the
formula; CFU/g = (number of colonies × dilution factor)/volume of culture plate.

2.11. Kinetic Model

A mass balance in the experimental tanks was used to find a kinetic model for degradation of
total petroleum hydrocarbon. The kinetic model can be defined as shown in Equation (1) [35]:

− r = −dC

dt
= k.Cn (1)

where;

r: reaction rate,
k: biodegradation rate,
C: concentration,
t: time,
n: reaction order.

The constants, k and n, are found by plotting concentration vs. time and determining the best
suitable line. The half time (t1/2) can be calculated as follows (Equation (2)) [36,37]:

t1/2 =
ln2

k
(2)
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Moreover, the growth of microorganisms can be determined by using the Monod equation as
shown in Equation (3):

μ = μmax.
C

Ks + C
(3)

where;

μ: specific growth rate,
μmax: maximum specific growth rate,
Ks: TPH value at half-time.

Then, r is shown as follows (Equation (4)):

r =
μ X
Y

=
μmax

Y
C

Ks + C
X (4)

where X shows the microorganism concentrations and Y is yield that is expressed as biomass formed
per mass of substrate used.

The rate of reaction determined numerically was used to obtain μmax and Ks as defined in
Equation (5):

X
r.Y

=
Ks

μmax

(
1

C

)
+

1

μmax
(5)

3. Results

This section summarizes the experimental results, their interpretation, and the discussions that
can be drawn.

3.1. Changes in Soil TPH Concentrations

Table 2 shows the chemical characteristics of oil-contaminated soil used in the study. Figure 2
shows the concentrations of TPH for tank 1, tank 2, tank 3, and tank 4 before and after the treatment.
TPH concentration in the initial soil for all tanks were 1674 ± 9.25 mg.kg−1. After 63 days of treatment,
TPH concentrations were decreased from 1674 ± 9.25 mg.kg−1 to 1088 ± 5.22 mg.kg−1 by the natural
attenuation treatment (tank 1), which represents a 35% removal efficiency. TPH was reduced to
430 ± 2.16 mg.kg−1 in the biostimulation and bioaugmentation treatment (tank 2), which represents
a TPH removal efficiency of 74%. The other 2 reactors, tank 3 (BA) and tank 4 (BS), resulted in TPH
removal rates of 41% and 66%, respectively. Compared to NA treatment in tank 1 (control), the
highest removal rate for TPH was achieved with BA+BS treatment in tank 2 (74%), followed by BS
treatment in tank 4 (66%). BA treatment alone was not as effective as BS treatment. The efficiency
of biodegradation was the highest when the BS and BA processes were combined. Initial nutrient
levels in the contaminated soil were not sufficient based on the selected C:N:P ratio of 100:5:1. This
indicated that addition of nutrients to the contaminated soil would be beneficial. Biodegradation in
each tank was not hampered by carbon content, pH, or moisture levels [38–40]. Microbial analysis
showed that an active microbial population of 1 × 105 (1.0E+05) CFU.g−1 was initially present in the
soils prior to treatment. Therefore, bioaugmentation did not accelerate the rate of biodegradation
over biostimulation.
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Table 2. Chemical characteristics of oil-contaminated soil used in the study.

Parameters Unit Values

pH 7.8 ± 0.11
Total Petroleum Hydrocarbon mg/kg 1674 ± 9.25
Organic matter content of soil (foc) % 3 ± 0.31
Organic matter g/kg 3.20 ± 0.25
Organic carbon g/kg 1.86 ± 0.15
Total Nitrogen mg/kg 0.002 ± 0.0
C/N ratio (adjusted) 20 ± 0.36
Total phosphorous mg/kg 0.0005 ± 0.0
Potassium mg/kg 0.0005 ± 0.0
Moisture content % 10 ± 0.12

Figure 2. Changes in Total petroleum hydrocarbon (TPH) concentrations in the treatment tanks.

3.2. Microbial Analysis

The total number of bacteria (microbial inoculum) added to bioaugmentation and biostimulation
tank (tank 2) and bioaugmentation tank (tank 3) was determined. The colonies were counted and
defined as the total colony forming units (CFU) g−1 dry powder product (microbial inoculum) [41].
As a result of microbial analysis, a bacterium belonging to genus, Alcanivorax, and a sub class of
Proteobacteria was isolated from the sample, with a cell frequency unit (CFU) of 3 × 107 (3.E+07) per
gram of microbial inoculum sample (Figure 3). The strain was found to possess a cell-bound granule
of glycolipids. Cells appeared to be granular, non-spore-forming, and Gram-negative rods. Colonies
were small, non-pigmented, and slightly raised in the center. Optimum growth temperature was
observed at 30 to 35 ◦C. The optimum NaCl required for growth was 4–7% NaCl.
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Figure 3. Olympus U-pot microscope picture of the microbial inoculum at 40×magnification.

The initial microbial population in the tanks was 1 × 105 (1.E+05) CFU g−1. Figure 4 shows
the variations of microbial population in the treatment tanks during 63 days of operation. The
number of total TPH degrader bacteria were measured by taking weekly samples. Continuous rise in
microorganism population indicates that the number of microorganisms increased significantly by
degrading TPH. This increase in the population was due to the available quantity of TPH, N, and P
in the tanks. As the carbon source for microorganisms started to diminish, the microbial population
reached a steady-state value at the end of the study. Compared to tank 1, a remarkable increase in
TPH degrader bacteria was observed within 63 days in soil samples collected from tank 2 (BA+BS).
Significantly higher number of degrader microbial counts was observed in the other two tanks, tank 3
(BA) and tank 4 (BS), compared to tank 1 (NA). At the end of the study, the hydrocarbon degrading
bacteria numbers in BA+BS soils were two orders of magnitude higher than in control soils (NA).

Figure 4. Total degrader bacteria numbers in soil samples over 63 days.
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3.3. Bioremediation Kinetics

It has been reported by several investigators that first-order kinetics and Michaelis–Menten kinetic
can be used for petroleum-hydrocarbon degradation [36,42–44]. The data obtained from the treatment
tanks were applied to the first-order rate model and the Monod model. The yield values (Y), which
define the microorganism concentrations in CFU per mg of TPH biodegraded, were determined from
the values of CFU and TPH. The Y values for NA, BA+BS, BS, and BA processes were determined as
8530, 80,300, 58,200, and 78,300 CFU g−1 TPH, respectively. Figure 5 shows fits of the first-order and
the Monod models to data from the NA, BS + BA, BS, and BA treatment processes. It is clearly seen
from Figure 5 that the Monod model represents the data better than the first-order reaction rate model,
which is validated by the R2 values. The reaction rate coefficient (k), maximum specific growth rate
(μmax), half-reaction time (t1/2), and TPH value at half-time (Ks) were determined from the curves in
Figure 5 and are summarized in Table 3 for each treatment process.

(a) (b)

(c) (d)

(e) (f)

(g) (h)

Figure 5. Reaction rate data for the treatment modes. (a) The first-order model for NA, (b) the Monod
model for NA, (c) the first-order model for BA+BS, (d) the Monod model for BA+BS, (e) the first-order
model for BA, (f) the Monod model for BA, (g) the first-order model for BS, (h) the Monod model for BS.

82



Processes 2020, 8, 883

Table 3. Calculated reaction rate factors for the first-order and the Monod models.

Treatment Type First Order Model r=k C Monod Model r=μmax
Y ( C

Ks+C )X

NA
k:0.0159 d−1 μmax:0.00875 d−1

t1/2:43.6 d Ks:1114 mg kg−1

R2:0.86 R2:0.90

BA+BS
k:0.0419 d−1 μmax:0.02675 d−1

t1/2:16.54 d Ks:918 mg kg−1

R2:0.89 R2:0.97

BA
k:0.033 d−1 μmax:0.0104 d−1

t1/2:21.0 d Ks:1289 mg kg−1

R2:0.88 R2:0.89

BS
k:0.0333 d−1 μmax:0.0193 d−1

t1/2:20.8 d Ks:965 mg kg−1

R2:0.84 R2:0.90

4. Discussion

The results obtained from this study showed that microorganisms can successfully biodegrade
TPH, particularly when combined BS and BA processes are used. Results of this study also showed that
BS has a higher effect on biodegradation efficiency than BA process. Adding nitrogen and phosphorus,
along with microbial inoculation and aeration can create an optimum condition for microorganisms to
degrade TPH.

Analysis of the contaminated soil indicated that the C:N:P ratio was 10,000:0.0107.0:0.0027. This
ratio is considered high for C as the suggested C:N:P ratio for bioremediation varies between 100:10:1
and 100:5:1, which corresponds to the nutrients needed for microorganisms [19,45]. In addition, the
initial soil contained low numbers of TPH biodegraders. Therefore, adding optimum amount of
nutrients and introducing TPH degraders (addition of microbial inoculum) apparently increased the
microbial populations in the contaminated soil, providing more efficient TPH biodegradation.

Earlier studies showed that bioremediation was a useful method for decomposing TPH in soils
contaminated with weathered oil [46,47]. However, there are limited studies for quick bioremediation
of TPH and population density of microbial community in freshly oil-contaminated soils. This study
assessed the effectiveness of bioaugmentation combined with biostimulation process on a freshly
oil-contaminated soil. The results of this work justified that the bioaugmentation and biostimulation
combined provided the accelerated biodegradation of TPH from the contaminated soil through
increased microbial biomass. Wu, Dick [17] reported that bioremediation of TPH was achieved between
34 and 60% in a local freshly petroleum contaminated soil after 10 weeks of treatment. However,
weathered hydrocarbon contaminants were not readily available to biodegrading microorganisms [48].
This study revealed similar results to those previous works pointing out that biostimulation was more
effective than bioaugmentation [1,13,14]. Moreover, several studies showed that the most efficient
biodegradation method for TPH removal is a combination of bioaugmentation and biostimulation
processes [10,46,47].

Several different bacterial species would be needed to effectively biodegrade hydrocarbons [11].
Single microbial species do not have the capacity to biodegrade more than two different compounds
that are usually present in crude oil. Conventionally, the higher the hydrocarbon degrading microbial
population, the more hydrocarbon biodegradation takes place [11,49]. It was shown in this work that
the number of microorganisms were higher in BS tank than in BA tank, and contaminant removal was
66% for BS tank and 41% for BA tank. Thus, it can be stressed that there is a linear relationship between
microbial population and TPH biodegradation.

The coefficients calculated from the first-order kinetics and the Michaelis–Menten kinetic models
clearly showed that the Monod model fits better for the BS+BA process than the other treatment
processes. For instance, the first-order reaction rate (k) in the BS+BA process was higher compared to
NA, BA, and BS processes. The half-reaction time determined from the reaction rate (k) in the BA+BS
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process was thus smaller than in the other processes. In both models, maximum specific growth rate
(μmax) was higher and TPH value at half-time (Ks) was lower in the BA+BS process, which indicates
that BA+BS process had a faster reaction rate. The results of these both model applications indicated
that BS and BA together achieved the best TPH removal efficiency.

5. Conclusions

Petroleum hydrocarbons remaining in soil for a long time after contamination along with costly
treatment methods have made them one of the most important environmental pollutants. This study
confirmed that it is possible to enhance the biodegradation of TPH in soil by using different treatment
methods such as bioaugmentation and biostimulation alone or in combination. Analysis of TPH,
microbial population, and kinetic models indicated that bioremediation of oil contaminated soil is very
successful especially when BS and BA treatment are used together.

In this pilot study, the TPH degradation in the crude oil contaminated soil was improved by
bioaugmentation with genus Alcanivorax and biostimulation with nitrogen and phosphorus. The study
also showed that bioaugmentation and biostimulation resulted in effective TPH removal and effective
recovery of soil’s fertility properties within 63 days of treatment. The study highlighted the importance
of ex situ soil treatment combined with bioaugmentation and biostimulation as a suitable strategy.
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Abstract: The in situ determination of metals in plants used for phytoremediation is still a challenge
that must be overcome to control the plant stress over time due to metals uptake as well as to
quantify the concentration of these metals in the biomass for further potential applications. In this
exploratory study, we acquired hyperspectral images in the visible/near infrared regions of dried
and ground stems and roots of Jatropha curcas L. to which different amounts of copper (Cu) were
added. The spectral information was extracted from the images to build classification models based
on the concentration of Cu. Optimum wavelengths were selected from the peaks and valleys showed
in the loadings plots resulting from principal component analysis, thus reducing the number of
spectral variables. Linear discriminant analysis was subsequently performed using these optimum
wavelengths. It was possible to differentiate samples without addition of copper from samples with
low (0.5–1% wt.) and high (5% wt.) amounts of copper (83.93% accuracy, >0.70 sensitivity and
specificity). This technique could be used after enhancing prediction models with a higher amount of
samples and after determining the potential interference of other compounds present in plants.

Keywords: copper; heavy metals; Jatropha curcas; near infrared hyperspectral imaging; phytoremediation

1. Introduction

Mining and mineral processing results in soils containing all sorts of waste materials. These mining
operations are one of the main anthropogenic sources of heavy metals in soils [1]. The high concentration
of heavy metals in mining soils leads to unbalanced textural class, absence or low presence of soil
structure, anomalous chemical properties, decrease in the content of essential nutrients, disruption of
biogeochemical cycles, difficulty in rooting, low water retention and presence of toxic compounds [2].
Furthermore, these heavy metals represent serious problems for the development of vegetation cover.

One of the alternatives for the restoration of these soils is the use of plants degrading or
immobilizing contaminants. Jatropha curcas L., a shrub that belongs to the Euphorbiaceae family
grown in tropical and subtropical regions, is used to phytoremediate soils because it has high capacity
of bioaccumulation and phytotranslocation [3,4]. In addition to the beneficial effects on the soil,
the biomass obtained after phytoremediation (stems, leaves and even roots) can be used as a potential
source of energy or for the production of catalytic biochars [3].

Heavy metals in plants grown in contaminated soils have a great impact on the combustion
quality of the residual biomass. Therefore, the determination of heavy metals in different parts of
the plants is mandatory to assess the capacity for phytoremediation and the quality of the biofuel
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that can be obtained from its biomass. The in situ measurement of metals in plants is still a challenge.
This measurement would allow controlling metal concentration in plants during phytoremediation
and thus removing plants from contaminated soils before reaching critical metal levels. There are
several methods based on chemical analysis, such as ICP-OES (Inductively Coupled Plasma—Optical
Emission Spectrometry), to measure metals in plants, but they require destructive experimental
sampling, and are time consuming and laborious for final quantification. Moreover, they do not
provide information on the spatial distribution of metal concentrations in plants. Thus, it is necessary
to develop faster, more economical and more environmentally friendly non-destructive methods for
the in situ determination and quantification of metals. Visible and near-infrared (vis-NIR) spectroscopy
and hyperspectral imaging (HSI) technology have been applied to several agricultural products [5–7],
and could provide a reliable alternative to traditional methods to assess plant phytoremediation levels.

HSI is an emerging technique that is able to record both spectral and spatial information of
samples. Contrary to other spectral techniques, which usually provide a single spectrum, HSI has as a
response a hypercube, which is a three-dimensional image, composed of two spatial dimensions and
one spectral dimension. In other words, with this technique, it is possible to obtain an image at each
wavelength of a spectral region and a spectrum at each pixel of the image, according to the physical
and chemical information of the sample to be analyzed. The chemical information identified in the
NIR region is related to overtones and combinations of vibrations of molecules of C, N, O and S linked
to a hydrogen atom, allowing to identify and quantify the constituents of that sample [8].

Copper (Cu) is the most abundant metal in the mining area of Andalusia (Spain). Metals do
not absorb energy in the near infrared region; therefore, Cu does not show bands directly associated
to it [9]. Notwithstanding, this metal is able to associate to organic groups, which are detectable in
the NIR region [9]. Moreover, absorption features have been observed in metals with an unfilled d
shell, such as Cu, Ni, Co and Cr at concentrations in soils higher to 0.4% wt. [10]. On the other hand,
absorbance of plants is mainly influenced by chlorophyll content, water content and cell structure.
Spectral variations in plants growing in heavy-metal-contaminated soils are particularly associated
with increases in chlorophyll hydrolysis and destruction of cellular structure. Both can be investigated
by vegetation indices and red edge position shift [2,11,12]. Then, the development of calibration
models for Cu determination in plants by Vis-NIR HSI or, to cut costs, NIR HIS becomes possible.

The objective of this research was to use NIR HSI as a reliable and fast method to identify Cu
in roots and stems of the J. curcas L. plant. This could represent a first step for the development of a
technique, based on NIR HSI, for in situ determination of metals contained in plants being used for
soils remediation and restoration purposes over phytoremediation period.

2. Materials and Methods

2.1. Raw Material

A Jatropha curcas L. plant that was germinated from seeds sown in vermiculite in a climate chamber,
as described elsewhere [3], was transplanted to peat moss in a garden and let grow there. After roughly
four years, the 2.2-meter-tall plant was planted in a 50-cm pot and placed in the rooftop of the Faculty
of Chemistry of the University of Seville for 90 days to serve as control plant in a phytoremediation
research [4]. Afterwards, the plant was cut, separating roots, stems and leaves.

2.2. Metal Content Analysis

Each separate part (root, stem and leaves) was weighed and dried in an oven at 60 ◦C for
approximately 72 h, until constant weight, to remove all moisture. Once all the moisture from
the different parts was extracted separately, they were chopped and ground in a hammer mill
(Culatti DFH48), and subsequently sieved using a 1-mm mesh. The powder of each sample was stored
in Eppendorf tubes until used.
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For the analysis of metals, both stems and roots were digested at 220 ◦C with concentrated HNO3

in an Ethos One microwave digester (Milestone Srl, Sorisole, Italy). After digestion, the concentrations
of Fe, Cr, Cu, Mn, Ni, Pb, Zn, As, Au and Sb were quantified by using a Spectroblue TI ICP-OES
(Spectro Analytical Instruments GmbH, Kleve, Germany). The analysis was performed in duplicate
and the average metal concentrations are shown in Table 1.

Table 1. Metal concentrations in Jatropha curcas L. stems and roots.

Sample (mg/kg) Fe Cr Cu Mn Ni Pb Zn As Au Sb

Stem 35.17 2.99 2.99 9.95 0.83 ≤0.4 10.29 ≤0.8 ≤0.2 ≤0.2
RSD 0.57 1.24 5.76 0.22 1.37 - 0.50 - - -
Root 261.87 12.20 4.39 13.66 5.86 ≤0.2 9.27 ≤0.8 ≤0.2 ≤0.2
RSD 0.59 0.72 8.10 0.41 0.61 - 0.42 - - -

RSD: Relative standard deviation.

2.3. Sample Preparation and Image Acquisition

Copper was selected because it is the most abundant metal in the mining area of Andalusia
(Spain). Fine Cu powder (particle size < 63 μm, purity ≥ 99%) from Merck España (28006 Madrid,
Spain) was used for sample preparation. The experimental procedure consisted of preparing four stem
samples and four root samples with different known concentrations of copper (0%; 0.5%; 1%; 5% wt.).
The dried stems and roots without Cu addition were considered as the samples with 0% wt., since their
Cu content was less than 0.0005% wt. (Table 1). Ten samples of each percentage were prepared for
stems and roots, totalizing 80 samples. The samples were spread in 3-cm-diameter Petri dishes for
image acquisition.

Hyperspectral images were acquired from each image in both sets of experiments in reflectance
mode using a SWIR camera (Headwall Photonics SWIR M series, Fitchburg, MA, USA), in the range
of 900–2500 nm, with an illuminator of 75 W and a scanning speed of 14.7 mm/s. The program
automatically subtracted the white (~99% reflectance) and dark (0% reflectance) references from the
acquired images.

2.4. Spectra Extraction and Multivariate Analysis

Image segmentation and spectrum extraction were performed using a code developed by the
research group using the open software Python (version 3.7.0; Python Software Foundation License).
The reflectance spectra were normalized, smoothed (Savitzky-Golay) and mean centered before
multivariate data analysis. Pre-treatments such as Standard Normal Variate (SNV), Multiplicative
Scatter Correction (MSC), first derivative (Savitsky-Golay smoothing, 11 points window, second order
polynomial), second derivative (Savitsky-Golay smoothing, 11 points window, second order
polynomial) and a combination of MSC + second derivative, and SNV + first derivative, were applied in
the dataset to test prior qualitative and quantitative analysis (Principal Component Analysis and Linear
Discriminant Analysis). All the multivariate data analysis, including PCA and LDA, was performed
using The Unscrambler X 10.4 software (CAMO Software AS, Oslo, Norway).

2.5. Principal Components Analysis (PCA)

Principal Components Analysis was applied to data to have an overview of samples behavior and
identify outliers. PCA reduces the information in a large amount of variables to Principal Components
(PCs), which are new variables resulted from linear combinations of the original ones [13]. Calibration
(70% of the samples) and validation (30% of the samples) sets were selected using PCA scores and
Kennard-Stone algorithm. Optimum wavelengths were established manually selecting peaks and
valleys in the PCA loadings.
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2.6. Linear Discriminant Analysis (LDA)

Linear discriminant analysis (LDA) was performed in all pre-treated data using the optimum
wavelengths selected in the loadings plot of PCA. LDA was performed with a leave-one-out
cross-validation method and an external validation was carried out with the independent dataset.
Models performance was measured in terms of sensitivity, specificity (of validation set) and accuracy
of calibration model. Values of sensitivity and selectivity close or equal to 1.00 and accuracy of 100%
show good discriminative power.

3. Results and Discussion

3.1. Spectral Analysis

Spectra of stems and roots with the same percentage of copper were averaged according to the
added copper content (Figure 1). The smoothed spectra (Figure 1a) showed very similar shape for
all samples, only differing in the intensity of reflectance across the spectral region. Overall, samples
with higher amount of copper had higher reflectance. The smoothed spectra and the pre-treated
with SNV and MSC were very similar (Figure 1a,b,e, respectively), showing peaks around 1214, 1728,
1918 and 2100 nm, which correspond to stretching vibrations of C-H in the first and second overtone,
a stretching vibration of C=O in the second overtone of amides and a combination of O-H deformation
and C-O stretching vibration, associated to starch, respectively. The spectra also had a valley at 1306 nm
denoting stretching vibration of C-H or a combination of deformation.

The first derivative pre-treatment and a combination of SNV + first derivative spectra (Figure 1c,f)
showed peaks and valleys around 1147, 1290, 1414, 1614, 1690, 1956, 2051 and 2166 nm, most attributed
to stretching vibrations of C-H or a combination of the first and second overtones, and symmetric and
asymmetric modes of N-H group. The intense valley around 1785 nm and the two peaks around 1900
and 2251 nm were also observed in these samples spectra, matching stretching vibrations of C-H in the
first overtone in cellulose, stretching vibration of C=O in the second overtone, and a combination of
vibrations of O-H stretching and O-H deformation, associated to starch. Moreover, peaks and valleys
were noticed around 1100, 1252, 1366, 1566, 1660, 1747, 1842, 1909, 1994, 2089 and 2204 nm for data
pre-treated with the second derivative and a combination of MSC + second derivative (Figure 1d,g),
most due to stretching vibration of N-H, C-H, S-H and O-H in the first overtone or a combination of
deformation [14].

As earlier mentioned, metals, such as copper, do not absorb energy in the near infrared region;
therefore, they do not show bands directly associated to them [9]. Figure 2 shows the behavior of
smoothed spectra of pure samples, and the difference between NIR spectra of stems and roots and
the NIR spectrum of pure copper is clear. Notwithstanding, the indirect determination of inorganic
Cu is possible, as demonstrated in the following sections, probably due to the balance between
organic and inorganic components. This was the main objective of the current study. However, future
studies should investigate the influence of chromogenic ligands and fluorescence probes, iron oxides,
clay minerals and organic matter, present in plants, and how they might affect the identification of the
components by optical methods.

3.2. Principal Components Analysis (PCA)

Considering the concept of pairwise classifications, samples of stems and roots added of
copper were evaluated in three strategies: 1—Four classes: Class 1–0% copper, Class 2–1% copper,
Class 3–0.5% copper and Class 4–5% copper; 2—Three classes: Class 1—“No copper” (0% of copper),
Class 2—“Low content” (0.5–1% of copper) and Class 3—“High content” (5% of copper); and 3—Three
classes: Class 1—“Low content” (0–0.5% of copper), Class 2—“Intermediate content” (1% of copper) and
Class 3—“High content” (5% of copper). PCA was performed in spectra data with all pre-treatments
and the outcome was evaluated in terms of the three groups of classes. Figure 3 describes the PCA
scores and loadings of samples data. The pre-treatments that better succeeded in separating samples

90



Processes 2020, 8, 823

according to their groups were the first derivative, a combination of SNV + first derivative and the
second derivative (Figure 3a–c, respectively).

Figure 1. Spectra of stems and roots and copper pre-treated with: (a) Smoothing, (b) Smoothing +
Standard Normal Variate (SNV), (c) Smoothing + first derivative, (d) Smoothing + second derivative,
(e) Smoothing +Multiplicative Scatter Correction (MSC), (f) Smoothing +MSC + second derivative,
(g) Smoothing + SNV + first derivative.
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Figure 2. Smoothed spectra of pure samples: Copper (blue), Stems (orange) and Roots (green).

Figure 3. PCA scores and loadings of stems and roots and copper pre-treated with: (a,d,g) Smoothing
+ first derivative, (b,e,h) Smoothing + SNV + first derivative, (c,f,i) Smoothing + second derivative.

Figure 3a,d show the score plots after 1st derivate pre-treatment, considering strategies 2 and 3,
respectively. PC1 and PC2 explained 65% of the total variance among samples in both cases. In strategy
2, samples with “No copper” and “Low content” showed some overlap, whereas samples with “High
content” were grouped in a separate cluster in the right part of PC1 and negative side of PC2. In strategy
3, samples with “Low content” and “Intermediate” also had some overlap, whereas samples with
“High content” were grouped in a separate cluster in the right part of PC1 and negative side of PC2.

Figure 3b,e displays PC2 and PC3 of data pre-treated with SNV + first derivative combined,
showing similar behavior. That means, overlapping of Classes 1 and 2 and a separate cluster in the
right part of PC1 and negative side of PC2 with samples belonging to Class 3. Figure 3c,f show that
data with the second derivative had 56% of the total variance explained by PC1 and PC2. In this case,
samples of Class 3 are displayed in the negative part of PC and PC3, while samples of Classes 1 and 2
are disperse in the positive side.
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Figure 3g–i show the loadings plot of PC1, PC2 and PC3. The peaks and valleys on these plots
were selected as optimum wavelengths and a new PCA was calculated with these reduced spectra
(Figure 4). Except for the second derivative PCA, which now displays samples belonging to Class 3 in
the positive side of PC1 and PC3, the recalculated PCA with the two other pre-treatments had similar
behavior as with full spectra. However, variable selection seems to have reduced the dispersibility
among those samples belonging to the same classes. Then, these wavelengths were used as input for
the development of LDA models. Selecting few wavelengths helps reducing the number of predictors
and sometimes reduces noise, thus providing better separation among samples for classification
models [6,15].

Figure 4. PCA scores of stems and roots and copper after variable selection pre-treated with:
(a,d) Smoothing + first derivative, (b,e) Smoothing + SNV + first derivative, (c,f) Smoothing +
second derivative.

3.3. Linear Discriminant Analysis (LDA)

Table 2 shows the models performance of LDA models for qualitative analysis of copper in stems
and roots. The classifications were based in the three strategies mentioned in PCA analysis. As in
PCA of the first strategy (data not shown), the results were not suitable. Even though some of the
calibration models have shown good accuracy, the prediction ability for some of the classes was very
low, with values of sensitivity close or equal to 0. On the other hand, the second strategy provided
good accuracy for all the calibration models, ranging from 76.79–85.71%. In general, the values of
sensitivity and specificity were above 0.40 and 0.56, respectively. The first derivative had the best
accuracy for the calibration model (85.71%), followed by the second derivative and a combination of
SNV + first derivative (83.93%). However, this last had the highest values of sensitivity and specificity
(>0.70) in the external validation. Therefore, this was considered the best model for this strategy of
classification, since it showed good results for all three parameters at the same time.
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Values of sensitivity and specificity for validation models above 0.8 are adequate for classification
models with screening purposes. For instance, values of 0.8 or higher in the identification of different
types of barley have been achieved [7]. Depending on the composition of samples analyzed and the
type of feature to be identified, classification models may range between different levels of sensitivity,
specificity, accuracy or other figures of merit used to assess models performance [16]. This approach
could be used for screening purposes, identifying heavy-metal contaminated plants that could be
subsequent used in different industrial processes [17].

The LDA models accuracy considering the third strategy achieved acceptable results, ranging
from 69.64% to 85.71%. The model developed with SNV + first derivative had the best model accuracy
(85.71%), followed by the first derivative (82.14%), and a combination of MSC + second derivative
(80.36%). However, at least one class in each classification had values of sensitivity lower than 0.50.
Although the accuracy of the second derivative and SNV models (78.57%) was lower than the first
three, the ability to predict the samples into their classes was better in these models. The values of
sensitivity and specificity were above 0.67 and 0.76, respectively. The proposed approach demonstrated
feasibility to differentiate samples with different amounts of added copper by NIR-HSI. Further studies
should consider the interference of other components in the sample, and how they could affect the
spectral information in the near-infrared range.

4. Conclusions

Despite the inherent difficulty of quantify the concentration of metals such as Cu by their NIR
absorbance, the results illustrate that NIR-HSI can differentiate plants (roots or stems) samples with
different Cu concentrations.

From the PCA plots, it could be observed that, among the spectral pre-treatments assayed,
those that better succeeded in separating samples according to their groups were the first derivative,
a combination of SNV + first derivative and the second derivative. Samples from classes 1 and 2 had
more misclassified samples while the results of the sensitivity and specificity in class 3 were always
close or equal to one.

Based on LDA results, the second strategy was considered the most suitable for differentiate stem
and root samples with different Cu concentrations. This strategy achieved good accuracy (76.79–85.71%)
for all the calibration models, where the first derivative was the spectral pre-treatment that provided
the best accuracy. Notwithstanding, the second derivative and a combination of SNV + first derivative
showed the highest values of sensitivity and specificity (>0.70) in the external validation along with a
good accuracy in the calibration model (83.93%).

Further research on the determination of other highly contaminating heavy metals by NIR-HSI
are required to prove that this technology can be used for the in situ determination of the actual level
of metals in plants over phytoremediation period. Moreover, the potential interferences due to the
presence of chromogenic ligands and fluorescence probes, iron oxides, clay minerals and organic
matter should be investigated.
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Abstract: Laccase enzyme from white-rot fungi is a potential biocatalyst for the oxidation of emerging
contaminants (ECs), such as pesticides, pharmaceuticals and steroid hormones. This study aims to
develop a three-step platform to treat ECs: (i) enzyme production, (ii) enzyme concentration and (iii)
enzyme application. In the first step, solid culture and liquid culture were compared. The solid culture
produced significantly more laccase than the liquid culture (447 vs. 74 μM/min after eight days),
demonstrating that white rot fungi thrived on a solid medium. In the second step, the enzyme was
concentrated 6.6 times using an ultrafiltration (UF) process, resulting in laccase activity of 2980μM/min.
No enzymatic loss due to filtration and membrane adsorption was observed, suggesting the feasibility
of the UF membrane for enzyme concentration. In the third step, concentrated crude enzyme was
applied in an enzymatic membrane reactor (EMR) to remove a diverse set of ECs (31 compounds in
six groups). The EMR effectively removed of steroid hormones, phytoestrogen, ultraviolet (UV) filters
and industrial chemical (above 90%). However, it had low removal of pesticides and pharmaceuticals.

Keywords: crude enzyme laccase; white-rot fungi; membrane filtration; emerging contaminants;
enzymatic degradation; enzymatic membrane reactor

1. Introduction

The occurrence of emerging contaminants (ECs) in water and wastewater has been identified
as a critical environmental and health issue. The EC concentration in water bodies varies from a
few nanograms to several micrograms per liter [1–3]. Although ECs occur only at trace level [3],
there is compelling evidence that biologically active compounds such as pesticides, steroid hormones,
pharmaceuticals, industrial chemicals, phytoestrogens can cause endocrine disruption as well as
inhibiting the sexual and reproductive growth of wildlife [3,4]. This portends a potential impact to

Processes 2020, 8, 648; doi:10.3390/pr8060648 www.mdpi.com/journal/processes97



Processes 2020, 8, 648

greater ecology as well as human health. Thus, the remediation of ECs has been of great interest
in recent years. Research efforts have led to innovations in remediation methods (e.g., membrane
filtration, advanced oxidation process, membrane bioreactor, and activated carbon adsorption).
These methods are based on physical, chemical and biological mechanisms. The membrane filtration
process (i.e., nanofiltration and reverse osmosis) can effectively separate ECs with validated data from
pilot and full-scale studies [5–7]. However, the treatment of nanofiltration (NF) and reverse osmosis
(RO) concentrate is required since it contains a high level of ECs. Advanced oxidation process and
activated carbon adsorption have also gained attention for their effectiveness in EC removal [4,8].
These methods have been used in a secondary or tertiary treatment because of the influence of high
bulk organic content or high turbidity, which require high UV or ozone and activated carbon dosage.
Membrane bioreactor (MBR) technology has been developed as an alternative to the conventional
activated sludge process. The research data showed that MBR effectively removes hydrophobic
(i.e., adsorption on sludge) and readily biodegradable materials by the bacteria community, and,
less effectively, the hydrophilic and biologically persistent ECs [9,10]. Recent development in the
enzymatic transformation of ECs that are persistent to bacterial degradation is a promising eco-friendly
concept [11].

Lignin modifying enzymes, such as laccase from white-rot fungi, are potential biological agents
for the oxidation of ECs. Laccase is one of the lignin modifying enzymes produced extracellularly
by white-rot fungi when they degrade plant materials for growth. Since their discovery, enzymes
have been applied for detoxifying and decolorizing in the pulp industry. Recently, laccase has been
used to biodegrade contaminants due to its oxidation capacity in phenolic and some non-phenolic
compounds [11,12]. Enzyme laccase in both crude and purified forms has been demonstrated to
biodegrade ECs in batch and continuous experiments [11,13]. However, the high cost and loss of
enzyme during the continuous application are two major roadblocks for the widespread application of
this promising biotechnology.

Because ECs present in aqueous solutions, previous studies aimed to culture white-rot fungi
using solid-free media. This approach is challenged by the low-volume production and high cost [14].
Solid-state culture can increase laccase production because white-rot fungi naturally prefer moist
conditions. However, the solid state culture entails extraction and purification steps before its
application [14,15]. Applying a membrane process to prevent enzyme washout in the enzyme
application process is advantageous [13,16]. A few studies have showed promising results in enzyme
retention as well EC removal using membranes [13,16,17]. However, regular enzyme addition is
necessary due to enzyme denaturation, suggesting that an enzyme source that provides high amounts
of enzyme is needed for this approach to be successful.

This study aims to develop an end-to-end enzyme-based platform that delivers a complete
functional solution for EC treatment. The platform has three steps: enzyme production, enzyme
concentration, and enzyme application. The enzyme production in liquid and solid culture was
compared side by side to determine yield and efficiency. Crude enzyme from both cultures was
concentrated in an ultrafiltration (UF) membrane. Finally, the concentrated crude enzyme solution was
used to access the removal efficiency of 31 ECs in an enzymatic membrane reactor (EMR). This study
will pave the way for the future development in the enzymatic degradation of pollutants.

2. Materials and Methods

2.1. Liquid and Solid Culture of White-Rot Fungi (WRF) for Enzyme Production

Stock pure cultures (i.e., 1 g pellet) of Pleurotus ostreatus (ATCC 34675) were purchased from the
American Type Culture Collection, Manassas, VA, USA. The stock was sub-cultured on malt extract
agar (41 g/L) Petri dishes in an incubator at 28 ◦C and 60% humidity. The resultant cultures were then
stored at 4 ◦C for future experiments.
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Malt extract broth (Merck, Darmstadt, Germany) was used to developed liquid culture at a
concentration of 5 g/L for crude enzyme production. The culture medium (100 mL) was added in an
Erlenmeyer flask and adjusted to pH 6.2. The flask was covered with aluminum foils. The culture
medium was autoclaved using the Tuttnauer 28 L Bench Top Autoclave (Lab Gear, Brisbane, Australia)
at 121 ◦C for 15 min. One mycelial plug of the stock culture (1 × 1 cm) was transferred from the malt
extract agar plate to the flask. The liquid culture was maintained at a temperature and mixing rate of
28 ◦C and 70 rpm, respectively, for eight days. The medium containing laccase enzyme was harvested
and stored at 4 ◦C in a sterilized bottle. Enzymatic activity of this solution was measured from day 4 of
the culture period according to the enzymatic activity assay in Section 2.5.1.

Malt extract agar (Merck, Darmstadt, Germany) was used to develop the solid culture for crude
enzyme production. The culture medium was prepared in the same fashion as the liquid culture
(i.e., at a concentration of 5 g/L). After the autoclave step, the medium cooled and solidified on the flask.
One piece of the stock culture (1 × 1 cm) was transferred from the malt extract agar plate to the flask.
The flask was incubated in an incubator at 28 ◦C and 60% humidity. On day 4 of the incubation period,
mycelium developed to cover the agar surface. Autoclaved Milli-Q water (100 mL) was added into the
flask. The produced enzyme laccase from the agar dissolved into the water at the bottom, while the
agar with mycelium floated on the top. Enzymatic activity was measured from every day from day 4
to day 8. At the end of day 8, the liquid was decanted into a sterile container and stored at 4 ◦C.

2.2. Emerging Contaminants

A set of emerging contaminants (i.e., 31 compounds) categorized into six groups, such as
pharmaceuticals, personal care products (i.e., UV filters), pesticides, industrial chemicals, natural
phytoestrogens, steroid hormones was selected as model compounds. These compounds have different
chemical properties, such as phenolic or non-phenolic bearing molecular structures [2]. They have also
been reported to occur in wastewater and contaminated water bodies around the world [3].

All compounds were analytical grade (>99% purity, Sigma Aldrich, Sydney, Australia). A stock
solution containing 31 ECs at 1 g/L each in methanol was prepared and kept in −18 ◦C conditions.
This stock solution was used within a month to avoid any degradation. This stock solution was added
in Milli-Q water to achieve 5 μg/L concentration of each compound in the feed.

2.3. Membrane Setup for Enzyme Concentration

A laboratory scale membrane filtration unit consisted of a Tangential Flow Filters (TFF) cartridge
(Millipore, Burlington, MA, USA), a pressure gauge and a master flex pump was employed in this
study. The TFF cartridge was made of regenerated cellulose. The molecular weight cut off and surface
area of the cartridge was 3 kDa and 0.09 m2, respectively. The cartridge was operated at a recirculation
flow rate and pressure of 4 L/min and 1 bar, respectively (Figure 1).

Crude enzyme extract from liquid and solid culture was used for the enzyme concentration
experiment. For this experiment, 2 L of crude enzyme extract was pumped through the cartridge in
the upflow configuration at 1 L/min to remove all air bubbles. Then, the flow rate was increased to
4 L/min while the back-pressure valve was gently closed to increase the pressure to 1 bar. Under this
condition, the permeate flow rate was 10 mL/min. The crude enzyme extract was concentrated to 1
and 0.3 L volume. Enzymatic activity in the crude enzyme extract and permeate was measured.
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Figure 1. Mycelial pellets and mycelial plugs formation in the liquid and solid culture and the
membrane filtration set up to concentrate crude enzyme extract solution.

2.4. Set Up and Operational Protocol of Enzymatic Membrane Reactor

The laboratory-scale EMR unit consisted of a Microza UF membrane (Pall Corporation, Melbourne,
Australia), a 1 L glass reactor, two peristaltic pumps (Masterflex L/S, Cole-Parmer, Chicago, IL, USA),
and two magnetic stir, a pressure gauge (SPER scientific 840064, Extech equipment Pty. Ltd., Victoria,
Australia), a personal computer, an air pump and an air diffusor (Figure 2). The membrane was made
of polyacrylonitrile with molecular weight cut off (MWCO) 6 kDa, surface area 0.19 m2 and clean water
flux 10 L/h·bar. The MWCO of this membrane was expected to retain completely laccase enzyme in the
EMR experiment.

The EMR system was initiated by adding 1 L of Milli-Q water into the reactor. Then, a 60 mL
concentrated crude enzyme extract was added, resulting in the laccase activity of 50 μM(DMP)/min.
The UF membrane was operated in dead-end configuration. One peristaltic pump (i.e., permeate
pump) was set up to get the membrane water flux of 1.1 L/m2·h. This permeate pump was run on an
8:1 min on:off cycle. The one min offwas designed to provide relaxation time (i.e., without filtration) to
the membrane. The permeate was collected in a stainless-steel container. The feed solution containing
ECs was pumped continuously into the reactor at flow rate of 2.1 mL/min. The reactor solution
(enzyme, ECs and water) was aerated via an air pump and air diffuser to get the dissolved oxygen
above 3 mg/L. Air was provided in the reactor because the reaction of laccase required dissolved oxygen
molecular as electron acceptor. Without any adjustment, pH of the reactor solution was 6.8 ± 0.2 during
the experimental period. The potential membrane fouling was noted by recording the change of
transmembrane pressure every 5 min on a data logger. In the course of the EMR operation, membrane
fouling was negligible. This may be due to the operation of the UF membrane at its significant water
flux. Enzymatic activity in the reactor was measured regularly. The enzyme solution (60 mL laccase/L
reactor volume) was manually added (every 12 h) in the EMR to maintain laccase activity of 25 to
50 μM/min. The hydraulic retention time (i.e., how long laccase react with ECs in the reactor) was
maintained at 8 h. The EMR was operated continuously for 105 h.
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(a)

(b)

Figure 2. A schematic diagram (a) and a photography of laboratory scale enzymatic membrane
reactor (b).

2.5. Analytical Methods

2.5.1. Enzymatic Activity

White rot fungi Pleurotus ostreatus (ATCC 34675) secreted mainly laccase in the liquid and solid
culture in this study. Laccase activity was measured using the method described in our previous
study [18]. In brief, the assay chemicals included 800 μL of 10 mM dimethoxyl phenol (DMP) at pH 4.5
(i.e., buffered by sodium citrate), 1200 μL of 100 mM sodium citrate and 1000 μL laccase solution. The
reaction was kept at room temperature (23–24 ◦C) in two min. The resultant solution was subjected to
UV absorbent measurement at 468 nm by a Shimadzu spectrophotometer (UV 6000, Shimadzu, Kyoto,
Japan). The molar extinction coefficient ε = 49.6/(mM·cm) was used to calculated final laccase activity
in the solution. The laccase activity can vary depending on the used substrate. In this study, laccase
activity was expressed in μM(DMP)/min.
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2.5.2. Emerging Contaminants Measurement

The EC concentration was measured by a Shimadzu GC/MS QP5000 (Kyoto, Japan) system
equipped with a Shimadzu AOC 20i auto sampler (Kyoto, Japan) and a capillary gas chromatography
column (i.e., A Phenomenex Zebron ZB-5 (5% diphenyl, 95% dimethylpolysiloxane). This column had
30 m length, 0.25 mm ID and df = 0.25 μm).

Samples (500 mL) of feed and permeate were collected and subjected to a solid phase extraction
method before GC/MS analysis. The solid phase extraction method included a few steps. In step 1,
samples were adjusted to pH 2.5 using 0.25 M H2SO4. In step 2, a 6 mL 200 mg Oasic HLB cartridge
was pre-conditioned consequently with the following solution (7 mL) dichloromethane and methanol
(1:1 v/v), 7 mL methanol and 7 mL Milli-Q water. In step 3, the sample was filtered at 15 mL/min
through the cartridges, allowing the absorption of ECs on the cartridges. In step 4, the cartridges were
dried under nitrogen gas stream.

The absorbed ECs on the cartridge were eluted using 7 mL methanol and 7 mL mixture of methanol
and dichloromethane (1:1 v/v). The resultant solution in 5 mL amber bottle was evaporated at 40 ◦C in a
water batch with a gentle flow of nitrogen gas until dryness. Then, 200 μL of pure methanol was added
into the bottle to dissolve the ECs. Bisphenol A-d16 (5 μg) was added into the bottle as the internal
standard. The resultant solution was evaporated to dryness one more time under same conditions
as above. Finally, 100 μL of N,O-Bis(trimethylsilyl)trifluoroacetamide (1% trimethylchlorosilane)
plus 100 μL of pyridine was added in the bottle. The final solution was subjected to the GC-MS
analysis. The GC-MS set up method for the detection of ECs was described in our previous study [2].
Our method has a quantitative detection limit in the range of 1 to 20 ng/L depending on compounds.

The removal efficiency of ECs by the EMR was calculated as:

R = 100×
(
1− CE f f

CIn f

)

where R = removal efficiency, CInf = EC concentration in influent and CEff = EC concentration in
the permeate.

3. Results and Discussion

3.1. Liquid vs. Solid Culture

The solid culture produced greater enzyme than the liquid culture (Figure 3) because white rot
fungi naturally grow on moist solid materials. In the past, fungal cultivation in free-flowing water
was researched as a means to develop fungal bioreactors [19]. This approach enabled the direct
utilization of enzymes for wastewater treatment and eliminated the need for enzyme purification.
However, cultivating fungi in liquid failed to maximize the fungal biomass’s potential to produce
powerful enzymes. The marginal increase in enzyme production of solid culture was significantly
higher than that of the liquid culture (Figure 3). This clearly indicates that fungi thrive better in solid
than liquid state.
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Figure 3. Enzymatic activity in the crude solution from liquid and solid culture. Note, 100 mL of
Milli-Q water was added in the solid culture from day 4. The data were the average and standard
deviation of five cultures.

3.2. Enhance Enzymatic Activity by Membrane Process

Crude enzyme laccase from liquid and solid culture can be effectively concentrated using the
membrane configuration in this study (Figure 4). The initial crude enzyme (2 L) was concentrated to 1
and 0.3 L, resulting in 6.6 folds increment in enzymatic activity. Initial laccase activity of the crude
from liquid culture was increased from 74 to 496 μM(DMP)/min, while that of solid culture increased
from 447 to 2980 μM(DMP)/min. The high laccase activity in the concentrated crude enzyme solution
will facilitate the operation of the EMR (Section 3.3), since periodical addition of enzyme is necessary.
It is also anticipated that high laccase activity can be achieved if the solution volume continuous to
decrease. In a previous study, an UF membrane (10 kDa) provided 20-fold concentration of crude
laccase solution from a white-rot fungi Trametes versicolor [20]. The authors achieved the recovery of
97.5% of the activity in 50 mL volume from 1 L crude solution. The UF filtration process relies solely on
size exclusion. The utilized UF membrane has molecular weight cut off significantly lower than that of
the enzyme. Our results are in agreement with peer literature review studies on enzyme concentration
(e.g., laccase, manganese peroxidase and lignin peroxidase) [21,22].

Figure 4. Laccase activity profiles at different solutions. The concentration factor was the ratio of the final
over initial laccase activity. The data were the average and standard deviation of three measurements.
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Laccase activity loss in this membrane filtration was negligible. The laccase activity in the final
solution was proportional to the reduction in the volume (i.e., from 2 to 0.3 L). This observation
indicated that no enzyme was lost during the concentration. We observed no laccase activity in the
permeate (data not shown). The potential enzyme adsorption on the membrane was not measured;
however, the observation of laccase activity in the final solution indicated that adsorption of enzyme
on the membrane was negligible. Thus, the membrane process was suitable for the concentration of
crude enzyme laccase.

3.3. Performance of Produced Enzyme on Emerging Contaminants Removal

3.3.1. Enzymatic Retention by the UF Membrane

The EMR’s UF membrane completely retained P. ostreatus laccase (Figure 4). Over the operation
period of 112 h, no trace of laccase was detected in the permeate given that the UF membrane’s MWCO
(6 kDa) was far smaller than the molecular weight of laccase (i.e., 67 kDa) [23]. Previous studies
also reported complete enzyme retention by EMRs. Clearly, membrane MWCO and enzyme size are
important characteristics that must be considered in EMR design [13,24,25].

3.3.2. Importance of Highly Concentrated Stock Enzyme Solution

The availability of a highly concentrated crude enzyme solution was critical to the smooth
operation of the EMR. This was because enzymatic activity inside the EMR decreased over time.
The enzymatic activity in the EMR decreased by 50% within the first 16 h operation (54 ± 2.3 to
26 ± 4.5 μM/min) (Figure 5). Hence, regular laccase addition was needed to maintain enzymatic activity
and EC removal. This was readily achieved by adding small volumes of concentrated crude enzyme
solution. In this study, enzymatic activity was kept within 25 to 55 μM/min by adding 60 mL of the
concentrated crude enzyme into the 1 L reactor every 12 h. Because only small increments of enzyme
solution were required, there was minimal impact on reactor water level and hydraulic retention time.
This would not have been possible without high output enzyme cultivation via solid culture and the
enzyme concentration step.

Figure 5. Enzymatic activity in the enzymatic membrane reactor (EMR) supernatant and permeate
during the 112 h operation. The data were the average and standard deviation of three measurements.

Enzyme inactivation in continuous reactors is imminent due to several physicochemical and
biological factors [25,26]. Operating temperature, shear rate and flow geometry can deform enzyme
structure. Adsorption and deposition on membrane surface could reduce the enzyme activity in the
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reactor. Chemical reactions between the laccase and pollutants eventually deactivate the enzyme [27].
Free radicals generated during the catalytic conversion of phenols and amines bearing compounds
could oxidize the active site of laccase [27,28]. Microbial growth or contamination in the EMR could
degrade laccase. The denaturation of laccase in the EMR system could be the combination of these
factors. Detailed contributions of each factor to the overall laccase activity loss are not available in the
peer-reviewed literature. However, research efforts to enhance the durability of laccase are on this
trajectory with a few developed strategies (e.g., immobilization on membrane, addition of preservative
chemical) [29].

3.3.3. Removal of ECs in EMR

The EMR removed a broad spectrum of emerging contaminants (i.e., 31 compounds and 6 groups).
The removal efficiency depended on EC properties (Figure 6). Industrial chemicals, UV filters,
phytoestrogens and steroid hormones were effectively removed (i.e., >90%). Meanwhile, the removal
of compounds in the pesticide and pharmaceutical groups varied from 10% to above 90% (Figure 6).

Figure 6. Removal efficiency of 31 emerging contaminants by enzymatic membrane bioreactor with
crude enzyme extract from Pleurotus ostreatus. The data were the average and standard deviation of
six samples. The samples were collected at 22, 44 and 88 h of the EMR operation.

The crude enzyme from P. ostreatus efficiently degraded phenolic bearing compounds (Figure 6).
The catalytic reaction of laccase with the substrate results in a reductive cleavage of a dioxygen bond.
In this reaction, the copper metal atoms within the laccase structure play an important role in the
reduction of oxygen to water. There are three copper types in the laccase molecule: one type 1 (Cu 1),
one type 2 (Cu 2) and two type 3 (Cu 3). Cu 1 is the most important electron acceptor in the oxidation.
Its action governs the catalytic rate. Previous studies have identified that the redox potential of Cu 1
is between 0.42 and 0.79 mV. This redox potential could explain the laccase reaction on phenolic
compounds [30]. Mehra et al. [31] also suggested that phenolic substrates have a high affinity to the
Cu 1 site of the laccase for electron transfer. The variation in the redox potential of Cu 1 could explain
the removal efficiency of phenolic substrates from different studies. Laccase from bacteria, plants and
insects is characterized by a low redox potential, whereas white rot fungi laccase is high redox. In our
previous EMR study, laccase from Aspergillus oryzae (redox potential of 0.28 mV) removed 40% to 60% of
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for example salicylic acid, formononetin and pentachlorophenol [2]. In this study, above 95% removal
efficiency was achieved for these compounds. The results highlight the importance of laccase selection.

The removal efficiency of pesticide and pharmaceutical compounds by the EMR varied significantly
from 10% to 90% due to their different chemical structures. Amongst six pesticides, only one
phenolic bearing compound, pentachlorophenol, was removed to 99% (Figure 6). Meanwhile,
pharmaceutical compounds such as amitriptyline, salicylic acid, triclosan and gemfibrozil were
effectively removed. Amongst these, only salicylic acid and triclosan contains phenolic moiety
in their structures. This observation suggests that apart from the oxidation of phenolic moiety,
other mechanisms may contribute to the high removal efficiency of these compounds in the EMR system.

The chemical adsorption of EC compounds on the membrane surface and/or on membrane gel
layer can contribute to their overall removal. During the filtration process, an enzymatic gel layer
can deposit on the membrane surface. This gel layer can perform as an active adsorbent (i.e., adsorb
and oxidize). The affinity to the gel layer depends on compound hydrophobicity. In this regard,
pentachlorophenol, triclosan, oxybenzone, octocrylene and benzophenone are highly hydrophobic
compounds (their log D values higher than 3). This finding is consistent with our previous studies
using commercially available laccase [2]. Although the application of concentrated crude enzyme in
the EMR can lead to high removal efficiency of emerging contaminants, the low removal efficiency of
some compounds (i.e., pesticides and pharmaceuticals) indicates a downstream treatment of EMR
permeate is required. It also noted that water matric (i.e., wastewater containing other pollutants
such as metals, organic carbon, organic salts, suspended solid) could affect laccase activity. However,
this research is beyond the scope of the current study.

4. Conclusions

This study demonstrated the effectiveness of solid culture over liquid culture of white rot fungi
for laccase production. A six fold increment in the enzymatic activity was achieved under the same
culture period (i.e., 8 days). The produced crude enzyme was concentrated by UF membrane (3 kDa),
providing a new concentrated crude enzyme at laccase activity of 2980 μM(DMP)/min. The concentrated
laccase activity was 6.6 times that of the initial value. The results also suggest no loss of enzyme
during the concentration process. The concentrated crude enzyme was applied in the EMR for the
continuous removal of 31 emerging contaminants. The UF membrane completely retained laccase,
but denaturation in laccase activity was observed. An enzyme re-addition strategy was developed by
adding 60 mL of crude solution (6% reactor volume) to maintain laccase activity. Under this operation,
the EMR effectively removed of phenolic compounds such as steroid hormones, industrial chemical,
phytoestrogen and UV filters. However, the removal efficiency of major pesticides and pharmaceuticals
was low, indicating the limitation of laccase.
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Meyer, A.S.; Moszyński, D.; Jesionowski, T. Robust biodegradation of naproxen and diclofenac by laccase
immobilized using electrospun nanofibers with enhanced stability and reusability. Mater. Sci. Eng. C 2019,
103, 109789.

12. Tran, N.H.; Urase, T.; Kusakabe, O. Biodegradation characteristics of pharmaceutical substances by whole
fungal culture trametes versicolor and its laccase. J. Water Environ. Technol. 2010, 8, 125–140.

13. Nguyen, L.N.; Hai, F.I.; Price, W.E.; Leusch, F.D.; Roddick, F.; McAdam, E.J.; Magram, S.F.; Nghiem, L.D.
Continuous biotransformation of bisphenol A and diclofenac by laccase in an enzymatic membrane reactor.
Int. Biodeterior. Biodegrad. 2014, 95, 25–32.

14. Adekunle, A.E.; Zhang, C.; Guo, C.; Liu, C.Z. Laccase Production from Trametes versicolor in Solid-State
Fermentation of Steam-Exploded Pretreated Cornstalk. Waste Biomass Valorization 2017, 8, 153–159. [CrossRef]

15. Galhaup, C.; Wagner, H.; Hinterstoisser, B.; Haltrich, D. Increased production of laccase by the
wood-degrading basidiomycete Trametes pubescens. Enzym. Microb. Technol. 2002, 30, 529–536. [CrossRef]

16. Lloret, L.; Eibes, G.; Feijoo, G.; Moreira, M.T.; Lema, J.M. Degradation of estrogens by laccase from
Myceliophthora thermophila in fed-batch and enzymatic membrane reactors. J. Hazard. Mater. 2012, 213,
175–183. [CrossRef]

17. Mendoza, L.; Jonstrup, M.; Hatti-Kaul, R.; Mattiasson, B. Azo dye decolorization by a laccase/mediator
system in a membrane reactor: Enzyme and mediator reusability. Enzym. Microb. Technol. 2011, 49, 478–484.
[CrossRef]

18. Hai, F.I.; Yamamoto, K.; Nakajima, F.; Fukushi, K. Application of a GAC-coated hollow fiber module to couple
enzymatic degradation of dye on membrane to whole cell biodegradation within a membrane bioreactor.
J. Membr. Sci. 2012, 389, 67–75.

19. Nguyen, L.N.; Hai, F.I.; Yang, S.; Kang, J.; Leusch, F.D.; Roddick, F.; Price, W.E.; Nghiem, L.D. Removal of trace
organic contaminants by an MBR comprising a mixed culture of bacteria and white-rot fungi. Bioresour. Technol.
2013, 148, 234–241. [CrossRef]

20. Antecka, A.; Blatkiewicz, M.; Boruta, T.; Górak, A.; Ledakowicz, S. Comparison of downstream processing
methods in purification of highly active laccase. Bioprocess Biosyst. Eng. 2019, 42, 1635–1645. [CrossRef]

21. Cheng, X.; Jia, R.; Li, P.; Tu, S.; Zhu, Q.; Tang, W.; Li, X. Purification of a new manganese peroxidase of the
white-rot fungus Schizophyllum sp. F17, and decolorization of azo dyes by the enzyme. Enzym. Microb.
Technol. 2007, 41, 258–264. [CrossRef]

22. Gottschalk, L.M.; Bon, E.P.; Nobrega, R. Lignin Peroxidase from Streptomyces viridosporus T7A: Enzyme
Concentration Using Ultrafiltration. In Biotechnology for Fuels and Chemicals; Humana Press: Totowa, NJ,
USA, 2008.

107



Processes 2020, 8, 648

23. Hublik, G.; Schinner, F. Characterization and immobilization of the laccase from Pleurotus ostreatus and
its use for the continuous elimination of phenolic pollutants. Enzym. Microb. Technol. 2000, 27, 330–336.
[CrossRef]

24. Chhabra, M.; Mishra, S.; Sreekrishnan, T.R. Laccase/mediator assisted degradation of triarylmethane dyes in
a continuous membrane reactor. J. Biotechnol. 2009, 143, 69–78. [PubMed]

25. Rios, G.M.; Belleville, M.P.; Paolucci, D.; Sanchez, J. Progress in enzymatic membrane reactors—A review.
J. Membr. Sci. 2004, 242, 189–196.

26. Paolucci-Jeanjean, D.; Belleville, M.P.; Rios, G.M. A comprehensive study of the loss of enzyme activity in
a continuous membrane reactor—Application to starch hydrolysis. J. Chem. Technol. Biotechnol. 2001, 76,
273–278.

27. Arregui, L.; Ayala, M.; Gómez-Gil, X.; Gutiérrez-Soto, G.; Hernández-Luna, C.E.; de los Santos, M.H.;
Levin, L.; Rojo-Domínguez, A.; Romero-Martínez, D.; Saparrat, M.C.; et al. Laccases: Structure, function,
and potential application in water bioremediation. Microb. Cell Factories 2019, 18, 200.

28. Kurniawati, S.; Nicell, J.A. A comprehensive kinetic model of laccase-catalyzed oxidation of aqueous phenol.
Biotechnol. Prog. 2009, 25, 763–773.

29. Zdarta, J.; Meyer, A.S.; Jesionowski, T.; Pinelo, M. Developments in support materials for immobilization of
oxidoreductases: A comprehensive review. Adv. Colloid Interface Sci. 2018, 258, 1–20.

30. Jeon, J.R.; Baldrian, P.; Murugesan, K.; Chang, Y.S. Laccase-catalysed oxidations of naturally occurring
phenols: From in vivo biosynthetic pathways to green synthetic applications. Microb. Biotechnol. 2012, 5,
318–332. [CrossRef]

31. Mehra, R.; Muschiol, J.; Meyer, A.S.; Kepp, K.P. A structural-chemical explanation of fungal laccase activity.
Sci. Rep. 2018, 8, 17285. [CrossRef]

© 2020 by the authors. Licensee MDPI, Basel, Switzerland. This article is an open access
article distributed under the terms and conditions of the Creative Commons Attribution
(CC BY) license (http://creativecommons.org/licenses/by/4.0/).

108



processes

Article

Evaluation of Toxicity on Ctenopharyngodon idella
Due to Tannery Effluent Remediated by Constructed
Wetland Technology

Sobia Ashraf 1, Muhammad Naveed 1,*, Muhammad Afzal 2, Sana Ashraf 3,4,

Sajid Rashid Ahmad 3, Khadeeja Rehman 2, Zahir Ahmad Zahir 1 and Avelino Núñez-Delgado 5

1 Institute of Soil and Environmental Sciences (ISES), University of Agriculture, Faisalabad 38000, Pakistan;
sobiaashraf13@gmail.com (S.A.); zazahir@yahoo.com (Z.A.Z.)

2 Soil and Environmental Biotechnology Division (SEBD), National Institute for Biotechnology and Genetic
Engineering (NIBGE), Faisalabad 38000, Pakistan; manibge@yahoo.com (M.A.);
khadeeja.abc31@gmail.com (K.R.)

3 College of Earth and Environmental Sciences (CEES), University of the Punjab, Lahore 53700, Pakistan;
sana.cees@pu.edu.pk (S.A.); sajidpu@yahoo.com (S.R.A.)

4 Department of Environmental Sciences, Lahore College for Women University (LCWU),
Lahore 54000, Pakistan

5 Department Soil Science and Agricultural Chemistry, Engineering Polytechnic School, Campus University
Lugo, University of Santiago de Compostela, 27002 Lugo, Spain; avelino.nunez@usc.es

* Correspondence: muhammad.naveed@uaf.edu.pk

Received: 20 April 2020; Accepted: 18 May 2020; Published: 20 May 2020

Abstract: Aquatic pollution caused by industrial effluents is an environmental issue, imposing
deleterious impacts on the overall environment, specifically, on humans, by disrupting the balance
of the ecosystem. Among all the industries, tanneries are considered some of the most polluting
due to heavy use of toxic organic and inorganic compounds during leather processing, most of
which find their way into rivers, lakes, and streams, thus exerting adverse effects on aquatic life,
particularly on fish. Considering the huge concentrations of pollutants present in tannery effluents,
toxicity evaluation is of prime importance. Therefore, bioassays are usually employed to assess
the acute toxicity of industrial effluents and efficiency of effluent clean-up technologies as they
provide a thorough response of test species to the substances present in the tested media. In the
present study, the toxic effects of tannery effluent on common grass carp (Ctenopharyngodon idella)
were studied for 96 h in laboratory conditions. The effluent was added at different concentrations,
before and after treatment by constructed wetlands (CWs). During this period, mortality data was
collected to calculate the 96 h-LC50 (lethal concentration inducing 50% mortality) and acute toxicity of
C. idella. In addition to this, observations on change in morphological, physiological, and behavioural
patterns were also made every 24 h. The present toxicity assay revealed that the raw tannery effluent
changed the morphology, physiology, and behavioural response of fish. Moreover, fish exposure
to raw/untreated effluent caused high acute toxicity and 100% mortality, due to the presence of
high concentrations of salts and chromium (Cr) metal. While treatment of tannery effluent by CWs
vegetated with different plants (B. mutica, L. fusca, and T. domingensis) significantly reduced its toxicity
and fish mortality as well, and inoculation of salt and Cr-tolerant endophytic bacteria (Enterobacter sp.
HU38, Microbacterium arborescens HU33, and Pantoea stewartii ASI11) further reduced (up to 90%) its
toxicity level. Hence, the use of CWs for tannery effluent treatment can be recommended to favour
public health and promote the overall safety of the environment.

Keywords: biotoxicity test; constructed wetlands; treated tannery effluent; morphological changes;
behavioural response; Ctenopharyngodon idella
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1. Introduction

Industrial growth has negatively impacted the environmental quality [1], particularly aquatic
life, due to disposal of voluminous amounts of effluents into natural water resources, on a daily basis,
all over the world [2–4]. Some chemicals contained in industrial effluents have been reported to be
highly toxic, in a variable degree depending on the dose and exposure duration [5,6], having potential
to impart serious damage to aquatic life [7,8]. Among the most vulnerable sectors is aquaculture,
which is also of main importance, as it constitutes an essential opportunity to meet the global food
security challenge [9].

Among all industries, tanneries are considered some of the most polluting, and are a major
contributor to aquatic contamination [10]. Tannery effluent is extremely hazardous due to high organic
loadings, solids, and metals [11], particularly chromium (Cr), a well-known ubiquitous pollutant
considered as a great menace to aquatic environments, and ultimately, human beings [12]. The dark
colouration and low oxygen content of tannery effluents indicates the strength of pollution, which
ultimately affect the survival of aquatic organisms, especially fish, thus having great ecological
relevance [5].

According to Srivastava et al. [13], 1–10% of tannery effluents can kill fish. Almost all types of fish
are quite sensitive to polluted environment, and pollutants found in tannery effluent cause significant
damage to their physiological and biochemical processes, such as endocrine disruption [14,15].
Huge physiological, histological, haematological, behavioural, genetic, biochemical, and immunological
alterations in aquatic organisms have been reported due to Cr exposure [12]. The biological changes in
fish caused by pollutants are called biomarkers and can be used for environmental risk assessment [16,17].

Remediation of toxic industrial effluents is crucial for the protection of receiving water bodies [18].
The quality of these obnoxious effluents is most commonly monitored by analysing major pollution
parameters such as pH (Pondus Hydrogenii), electrical conductivity (EC), dissolved oxygen (DO),
biochemical oxygen demand (BOD5), chemical oxygen demand (COD), total organic carbon (TOC),
total dissolved solids (TDS), total suspended solids (TSS), and metals [19–25]. However, these
parameters cannot be used to evaluate toxic effects on receiving waters and subsequent susceptibility
of aquatic organisms to these toxic pollutants.

The best way to evaluate effluent toxicity effect is to use biotoxicity tests that provide the complete
response of the test organisms to all the pollutants in the surrounding environment [19,26–30]. Different
organisms such as fish, algae, bacteria, invertebrates, fungi, etc., are most commonly used in the
biotoxicity tests to determine the acceptable and safe level of pollutants in industrial discharge [19,30,31].

Generally, fish have been considered as a useful index for the purity of water, hence they can
be used in toxicity assays to detect aquatic hazards [32]. Currently, more attention is being given to
acute toxicity testing to detect harmful effects of toxic pollutants present in industrial effluents on
aquatic organisms, due to the imposition of stringent environmental laws and regulations on industrial
discharge [33,34].

In this context, several studies have reported the harmful effects of industrial effluents on fish, such
as that by Martin-Skilton et al. [35], who studied some alterations in hepatic biotransformation enzymes
as well as reduced levels of testosterone in juvenile turbot (Scolphthalmus maximus) on exposure to
fuel oil, which elicits threats to the reproductive system of exposed individuals. In another study by
Saborido-Ray et al. [36], tested individuals exhibited reduced growth and feed consumption when
exposed to higher concentrations of commercial petroleum fuel. The petroleum fuel also negatively
affected the growth and survival of the freshwater fish Oreochromis niloticus [37].

Besides the petroleum industry, effluent of textile factories also has damaging effects on fish, such
as high lipid peroxide levels in fish, which may cause physiological problems when consumed by
humans, as reported by Mahabub-uz-zaman et al. [38]. So, conducting investigations regarding quality
of fish sold in local markets are crucial, especially in third world countries. Fish toxicity assays by
Bhattacharya et al. [39] revealed a 100% survival rate after 72 h exposure of Poecilia sp. in ceramic
membrane-treated effluent, as compared to 80% survival rate in untreated effluent. Moreover, high
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pollutants concentrations can cause rapid suffocation in fish by destruction of the gill epithelium and
inhibition of metabolic activities [40].

Morphological and physiological variations, such as loss of body balance, higher rate of mucus
secretion, decrease in breathing rate, haemoglobin percentage, red blood cells (RBC) count, and breakage
of deoxyribonucleic acid (DNA) were observed in fish exposed to Cr containing industrial effluents by
Bakshi and Panigrahi [12]. Industrial effluents also caused significant histopathological deterioration
in gill, kidney, liver, and intestine of test organisms along with significant changes in total glycogen,
protein, lipid content in gill, muscle, and liver tissues. In addition to this, physiological disorders,
such as hypertension, sporadic fever, renal damage, cramps, and malfunctioning in fish general health
conditions due to direct discharge of tannery effluent into water channels, have also been reported by
Karthikeyan et al. [41].

Constructed wetlands (CWs) are a contrasted technology, useful for remediation of highly
polluted industrial effluents, and can be easily managed with low operation and maintenance cost.
These biogeophysical engineered systems consisting of mainly vegetation, soils, and their associated
microbial assemblages are constructed in such a way to mimic all the physical, chemical, and biological
processes occurring in natural wetlands, but within more controlled environmental conditions that
sustain strong plant–substrate–microbe interactions. Many studies have reported its performance for
degradation/detoxification of organic and inorganic contaminants present in tannery effluent [42–44],
but none of the studies have evaluated the resulting reduction in toxicity level of effluent. The present
work is an endeavour to study the effect of tannery effluent (untreated and treated) on the survival of
locally available fish Ctenopharyngodon idella, commonly known as “grass carp”, which is widely found
in natural water bodies in Pakistan. In view of that, this study has a clear novelty, and would allow to
obtain new data of environmental relevance.

2. Materials and Methods

2.1. Collection of Fish Samples

Ctenopharyngodon idella, irrespective of sex, were collected from local fish farms at Satiana Road,
Faisalabad (Pakistan), in closed polythene bags filled with oxygen and transported to the laboratory.
These fish were kept in a large glass aquarium, filled with fresh water, at 26 ± 1 ◦C, in the fish toxicology
laboratory, Soil and Environmental Biotechnology Division, National Institute for Biotechnology and
Genetic Engineering (NIBGE), Faisalabad. An aeration pump was used to ensure the continuous
supply of oxygen in the aquarium, essential for fish survival. Fish were acclimatized under these
conditions for one month, prior to their exposure to tannery effluent. During this period, the fish were
fed with commercial fish pellets, and water was renewed on alternate days to remove the remains of
feed and faecal matter/metabolic waste.

2.2. Collection of Tannery Effluent after Treatment through CWs

Grab samples of tannery effluent were collected from each CW phytoreactor for toxicity testing,
considering three different treatments, viz., CWs vegetated with Brachiaria mutica, Leptochloa fusca,
and Typha domingensis plants only (T2), CWs augmented with consortium of salt and Cr-tolerant
endophytes (Enterobacter sp. HU38, Microbacterium arborescens HU33, and Pantoea stewartii ASI11) while
vegetated with B. mutica, L. fusca, and T. domingensis (T3), and CWs without vegetation or inoculation
(T4). Raw tannery effluent (T5) was also collected for its toxicity comparison with treated effluents.
Tap water was set as a control (T1).

2.3. Characterization of Treated and Untreated Tannery Effluent

In this research, standard methods to test water and wastewater as described by the American
Public Health Association (APHA) were followed, for the physicochemical characterization and for the
toxicity assay of tannery effluent on C. idella [45]. So, the physicochemical characterization of collected
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effluent samples was carried out prior to the toxicity bioassay, to quantify pH, EC, BOD5, COD, TDS,
TSS, and Cr concentration. Results of the analysis of physico-chemical parameters of untreated and
treated tannery effluent are given in Table 1.

2.4. Dilution of Tannery Effluent

The dilution of toxic effluents is generally required to perform the bioassays, as it is needed to
reduce the effects of inherent toxic substances. Raw tannery effluent sample was diluted at different
levels (25%, 50%, 75%, and 100%), using tap water. The same dilution levels were also prepared for
effluent samples treated by CWs.

2.5. Experimental Setup

All the collected effluent samples were subjected to the toxicity test at 25%, 50%, 75%, and 100%
dilution level (Table 2). So, 28 batches (in triplicates) of ten healthy fish, with average weight 260–270
mg and size 6.5 ± 0.5 cm, were introduced to each effluent sample in glass aquaria of 30 L capacity that
were half filled to avoid overcrowding. As the toxicological response of the fish may vary with the body
weight, and hence mortality and LC50 values may fluctuate in the same test individuals, fish of equal
weight and size were employed for this assay. Four batches of 10 fish were kept in untreated wastewater
at the same dilution levels, while one batch of 10 fish was kept in unamended water to be used as a
control along with experimental groups. Oxygen was provided with the help of aeration pumps in
each test container during the experimental period. All chemicals and reagents were analytical grade,
and were provided by Sigma-Aldrich, Burlington, MA, USA and Merck, Darmstadt, Germany.

2.6. Toxicity Evaluation

The experiment was monitored for 96 h (exposure period), and the number of surviving fish was
recorded by counting the dead fish at 24, 48, 72, and 96 h to calculate the mortality. The median lethal
concentration (LC50) for 96 h, and respective upper and lower limits at 95% confidence level, were
calculated as well. Acute toxicity unit (ATU) was also calculated by using the following formula: ATU
= 100/LC50% (v/v).

2.7. Morphological and Bahavioural Response Variations

Variations in physical appearance, such as change in body colour, thickening of mucous coating
on fish body, etc., were observed during the experimental period. Along with this, the behavioural
changes such as swimming movements and responses of the fish to both untreated and treated effluent
were observed and compared with the control set.

2.8. Statistical Data Analysis

The results were subjected to statistical evaluation using the Trimmed Spearman–Karber Method,
Version 1.5 (US Environmental Protection Agency, Cincinnati, OH, USA). The data of each concentration
was pooled to calculate the mortality, 96 h-LC50 values, and 95% confidence interval with upper and
lower limits.
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3. Results

Fish were exposed to untreated and treated tannery effluent using different concentrations for
a short-term (96 h) exposure period. Characterization of raw effluent in terms of physico-chemical
parameters revealed relatively much higher concentrations of pollutants than treated effluent, as shown
in Table 1. In addition, general observations on fish morphology, behaviour, mortality, and toxicity
were also made.

3.1. Mortality and Toxicity Evaluation

The experimental species, C. idella, showed differential toxicity level with varying exposure time.
The observed percentage of mortality was recorded for 24, 48, 72, and 96 h, as shown in Figures 1–3.

Figure 1. Mortality in fish on exposure to different concentrations of untreated and treated effluent by
CWs using Typha domingensis. Tannery effluent treated in CWs with only T. domingensis (T2), effluent
treated in CWs with T. domingensis and bacteria (T3), effluent treated in CWs without vegetation (T4),
and raw tannery effluent (T5). Each value is mean ± standard error and number of replicates for each
treatment (n) = 3.

Figure 2. Mortality in fish on exposure to different concentrations of untreated and treated effluent by
CWs using Leptochloa fusca. Tannery effluent treated in CWs with L. fusca only (T2), effluent treated in
CWs with L. fusca and bacteria (T3), effluent treated in CWs without vegetation (T4), and raw tannery
effluent (T5). Each value is mean ± standard error and number of replicates for each treatment (n) = 3.
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Figure 3. Mortality in fish on exposure to different concentrations of untreated and treated effluent by
CWs using Brachiaria mutica. Tannery effluent treated in CWs with B. mutica only (T2), effluent treated
in CWs with B. mutica and bacteria (T3), effluent treated in CWs without vegetation (T4), and raw
tannery effluent (T5). Each value is mean ± standard error and number of replicates for each treatment
(n) = 3. Stocked in T3 (effluent treatment by combined use of L. fusca and bacteria) at 50% effluent
concentration, while the maximum percentage mortality observed was only 10% in higher effluent
concentrations (100%). Observations for T4 treatment were the same as described above.

3.2. Toxicity of Raw Tannery Effluent

Raw effluent caused high acute toxicity and 100% mortality in exposed fish, even at dilutions up
to 25% (Table 2). The fish died immediately after release to raw effluent (T5). In contrast, no mortality
of fish was observed in tap water that was set as a positive control (T1).

3.3. Toxicity of Effluent Treated by CWs Using T. domingensis

The toxicity study of effluent treated by CWs vegetated with T. domingensis only (T2) revealed
that the mortality of fish was 30% at the 24 h exposure period and increased to 60% at reaching the 96 h
exposure period, while its dilution up to four times decreased fish mortality up to 20%, as shown in
Figure 1. Moreover, combined use of plants and bacteria (T3) decreased the mortality of fish up to
10% at the 96 h exposure period, and its two times dilution further decreased this rate to zero. But the
effluent treated in CWs in the absence of vegetation (T4) showed high mortality (100%) that decreased
to 40% at 1:3 dilutions, while its LC50 value was 30% (v/v), with 19.59 highest and 45.13 lowest limits
at 95% confidence level, and ATU was 3.36, revealing high acute toxicity (1–10).

3.4. Toxicity of Effluent Treated by CWs Using L. fusca

The toxicity assay conducted on effluent treated in CWs by using L. fusca plant and effects of
T2, T3, and T4 treatments on percentage mortality of the fish for the 96 h exposure time is shown in
Figure 2. As indicated by this figure, T2 (CWs with L. fusca) treatment showed 20% mortality at 100%
effluent concentration, whereas reduced to 10% at 50% effluent concentration, and no mortality was
observed at 25% effluent concentration. Among all the treatments, the lowest mortality was observed
on the fish.

3.5. Toxicity of Effluent Treated by CWs Using B. mutica

Figure 3 shows the percentage mortality of the fish exposed to effluent treated by CWs vegetated
with B. mutica (T2), revealing that 40% of fish died after the 24 h exposure period, and at reaching 96 h
of exposure, 50% more fish died in this effluent. However, its dilution up to 25% decreased the death
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rate, and 80% of fish survived until the 96 h exposure time. While effluent treated by augmenting
CWs with bacteria along with B. mutica (T3) reduced the mortality percentage from 90% to 60% at
96 h exposure duration and 100% effluent concentration, while its dilution up to 25% decreased the
death rate from 60% to 10%. The 96 h-LC50 was also extrapolated to be 46.53% (v/v), with the highest
and lowest levels being 33.27 and 65.07 respectively, and 2.14 as ATU for T2 (Table 2). While for T3,
96 h-LC50 was 86.60% (v/v), with 63.13 upper and 118.68 lower limits, and 1.15 as ATU (Table 2).
The confidence limit was 95%. Acute toxicity results show a comparatively low mortality level at lower
effluent concentrations, while it was higher in concentrated effluent.

3.6. Relative Performance of Different Plant Species in Toxicity Reduction of Tannery Effluent by CWs

Comparative analysis of different plant species to reduce toxicity of tannery effluent by CW
technology is presented in Figure 4. The maximum toxicity of effluent was reduced by L. fusca, followed
by T. domingensis and B. mutica. Tannery effluent treatment in CWs with vegetation and bacterial
augmentation resulted in more reduced toxicity than vegetation alone in CWs.

 

Figure 4. Relative performance of different plant species in toxicity reduction of tannery effluent in
constructed wetland systems. Tannery effluent treated in CWs with plants only (T2), and with plants
and bacteria (T3). Labels (a) and (b) indicate statistically significant differences (p < 0.05) among plant
species for toxicity reduction at a 5% level of significance. Each value is mean ± standard error and
number of replicates for each treatment (n) = 3. Different letters on each error bar show significant
differences among different treatments.

3.7. Morphological Changes

Morphological change in fish colour was observed on exposure to untreated tannery effluent
(T5) and effluent treated by CWs without vegetation (T4), i.e., body of fish became dark, as shown in
Figure 5. In addition to this, a thick coat of mucus, spreading all over the body of the fish, was also
observed in T4 and T5 treatments, making fish slimier. In effluent treated by CWs with plants only
(T2), and with combined use of plants and bacteria (T3), as well as in control (T1), there was apparently
no change in body colour, and fish had a normal mucus coating on their body.
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Figure 5. Morphological change in C. idella on exposure to tannery effluent before (A) and after
treatment (B) by CW technology.

3.8. Variations in Behavioural Response

On the basis of visual observations, data regarding behavioural response of C. idella were recorded.
As the experiment progressed, fish exhibited irregular zig-zag movements, frequent surfacing, coughing,
and opercular movements on exposure to untreated tannery effluent (T5) and effluent treated without
vegetation in CWs (T4), in contrast to normal movements and swimming behaviour without any loss
of equilibrium in the rest of treated effluent samples and in tap water set as a control (Figure 6).

Figure 6. Variation in behavioural response of C. idella on exposure to untreated tannery effluent at
50% dilution showing irregular swimming and zig-zag movements (A), and normal movements and
swimming behaviour in treated tannery effluent at the same dilution level (B), and in tap water set as
control (C).

3.9. Physiological Variations

Untreated tannery effluent was also loaded with oil and grease to the tune of 362 mg/L, in addition
to other pollutants. This created respiratory problems in fish by lowering the dissolved oxygen in test
media, despite the aeration system. It was observed that fish regularly came to the surface of water for
atmospheric oxygen. Such an anomaly was not observed in T2, T3, and the control set, maintained
under identical experimental conditions.

4. Discussion

The present investigation evaluated the toxicity of both treated and untreated tannery effluent
by measuring mortality, LC50, and acute toxicity in fish for 96 h exposure duration. Along with this,
morphological changes and behavioural response of the fish were also observed. In the current study,
the mortality of C. idella was directly proportional to the exposure period, concentration of pollutants
in effluent, and acute toxicity unit, as already observed in previous works [46–48]. At 96 h-LC50
concentration, the ability of natural population of aquatic bodies would be relatively impaired, and an
increase in concentration also increased the mortality [49,50].
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As indicated in Table 2, from 96 h-LC50 values (29.73–86.60%) at different effluent concentrations,
it is clear that the raw tannery effluent exerts high toxicity, while effluent treatment using CWs
technology reduced the overall pollution level to a great extent. However, LC50 values still provide
information for gross comparison of toxicity of the pollutants to the fishes. The present study revealed
that raw and treated effluent by using CWs without vegetation caused more or less similar toxicity,
whereas combined use of plants and bacteria in CWs caused a significant reduction in toxicity level of
effluent, and among all the tested plants, L. fusca was more efficient. The same toxicity results were
reported for raw pharmaceutical effluent acting on Lebistes reticulates [51]. The variation in 96 h-LC50
of Cr for different species was previously reported, being 34 mg/L for Cirrhinus mrigala [52], 39.4 mg/L
for Labeo rohita [53], 85.7 mg/L for Carassius auratus [54], 87.96 mg/L for Cyprinus carpio [55], and 53.08
mg/L for C. idellus [50].

In the present study, acute toxicity values were high in concentrated effluents as compared to
diluted ones, due to varying amounts of Cr. These toxicity values are organism- and age-specific [12,56].
Here, exposure of C. idella to untreated effluent caused death within 24 h, while in treated effluent, most
fish survived until 96 h, varying with different treatments and concentration levels of effluent. Similar
findings were observed by Arora et al. [31], who assessed toxicity of treated urban wastewater and
its reutilization for aquaculture on sucker fishes for 96 h and compared it with untreated wastewater.
Fish died within 48 h in untreated wastewater while they survived until 96 h in the treated one.
In another investigation, the acute toxicity test revealed about an 80% and 100% survival rate of
Poecilia sp. in 100% untreated effluent and ceramic membrane-treated effluent respectively, after a 72 h
exposure period [39].

Morphological changes in fish occurred in those that were exposed to untreated tannery effluent
(T5) and effluent treatment by CWs without vegetation (T4). These changes were darkening of body
colour and a thick mucus coating spreading all over the body, due to the presence of toxins in untreated
effluent. The same findings were reported by Carpenter [57,58] and Nisha et al. [59]. Thus, these facts
are directly reflecting the toxicity level of effluent, because no such morphological change in fish was
observed in T2, T3, and the control set (T1). According to Handa and Jindal [50], Cr-contaminated
water has the potential to induce morphological and behavioural changes in C. idellus. Chromium
toxicity also affects the normal survival of fish and produces allergic reactions on skin [60]. It also
impairs functioning of the nervous system [61], which causes darkening of body colour due to the
reversible response of melanophores [62].

Behavioural responses, the most perceptive indicator of toxicity, are crucial for normal life
functions, and ultimately fish survival [63]. The current study revealed that lethal concentrations of
tannery effluent caused abnormal changes in the fish, and intensity increased with time. Similar effects
were observed on the behaviour of Mystus vittatus and L. reticulates on exposure to paper mill and drug
industry effluent, respectively [64,65]. Related behavioural changes, such as jerky movements, opening
of mouth, erratic swimming, and secretion of mucus, etc., were also observed by Timchalk et al. [66],
Bantu and Vakita [67], and Nisha et al. [59].

Exposure of fish to raw tannery effluent proved to be highly unfit for their survival, as fish became
inactive immediately after the addition of effluent. Frequent surfacing of fish to gulp the oxygen at
initial stages, followed by slow erratic swimming and zig-zag irregular movements, as well as loss of
balance, and finally settling at the bottom of the aquarium after a few hours, was an indication of toxicity
defects caused on fish due to raw tannery effluent. Similar distressed behavioural observations were
also reported earlier [2,59,68–70]. This reduced normal activity could be a consequence of depletion
of energy in the body of fish due to impairment of carbohydrate metabolism, wherein organisms
that could not tolerate the contaminants enter into a state of coma and subsequent death [47,71].
Cui et al. [72] also noticed a decrease in fish movement leading to cessation of swimming [73] due
to the altered carbohydrate metabolism and neurotoxicity induced by Cr metal [74]. According to
Roopadevi and Somashekar [47], fish lose their ability to maintain homeostasis on exposure to higher
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effluent concentrations for a longer period, and this eventually causes mortality, or some physiological
stress may be the reason, which is confirmed by the present results.

Previous investigations also reported similar observations when fish were exposed to toxic
industrial effluents, being irregular hyper and hypoactive movements, loss of balance, and increase in
surfacing activity that ultimately decrease their tolerance to high pollution load [75–77]. The present
findings are also in concordance with earlier studies of fish behavioural response to industrial effluents,
revealing normal behaviour and swimming of fish in control, in contrast to the abnormal swimming,
loss of equilibrium, coughing, and opercular movements in toxic effluents [2,59,70,78]. According to
Sinha and Kumar [79], equilibrium loss and abnormal swimming are caused by damage to the nervous
system that regulates all the vital functions.

High organic pollution load of tannery effluent increases its BOD5 and subsequently reduces its
dissolved oxygen level. This oxygen deficiency caused respiratory problems in fish, along with this
reduced tolerance capacity of fish towards toxins that caused death. Oyedapo and Akinduyite [80]
similarly reported that toxic effluents disrupt the ability of fish to maintain homeostasis and cause
physical damages. Another reason for a reduction in oxygen consumption may be malfunctioning of
gills due to direct contact with pollutants present in raw tannery effluent. Previous studies support this
evidence, indicating that high levels of toxic substances in the test medium cause coagulation of gill
mucous in fish that alters their respiratory metabolism [47,49,77,81]. Moreover, accumulation of mucus
on the gills of fish and asphyxiation decrease oxygen consumption. A similar kind of observation was
also reported by Thorat and Wagh [82], who showed that tanning industry effluent has a strong effect
on the oxygen consumption rate of fish, Channa gachua, probably due to Cr toxicity.

Toxicity assays play a viable role in monitoring the pollutants’ level in industrial effluents and can
be used as a promising technology to regulate quality of industrial discharge to receiving reservoirs.
As discussed earlier, fish show changed behaviour on exposure to a toxic environment, an indicator of
the surrounding pollution level. Such types of variations in behavioural response of fish are an easy
way to directly assess the quality of industrial discharges.

Biotoxicity tests are an economical and technical method for direct measurement of toxicity of
industrial effluents. In addition to this, the present study showed that toxicity bioassays must be
performed to assess the toxicity of treated effluent along with physico-chemical analyses, such as pH, EC,
COD, BOD5, and TSS, to guarantee the aquatic organisms’ safety and minimise ecotoxicological issues.

5. Conclusions

Ctenopharyngodon idella were seriously affected by the tested raw tannery effluent, even at very
low concentrations, despite making dilutions due to high toxicity of pollutants, in contrast to no
adverse effects in treated effluent by CW technology and the control set. Effluent treatment by
CWs vegetated with different plants (B. mutica, L. fusca, and T. domingensis) reduced the toxicity
causing abnormal changes in morphology and physiology of fish that ultimately lead to mortality,
and inoculation of endophytic bacteria (Enterobacter sp. HU38, Microbacterium arborescens HU33,
and Pantoea stewartii ASI11) further caused a reduction in its toxicity level up to 90%. In contrast to these
treatments, CWs without vegetation could not reduce the toxicity of this effluent. Hence, fish survived
for longer periods in effluent treated by CWs vegetated with L. fusca plants and augmented with
endophytes, wherein pollutants were detoxified by the synergistic effect of plant–microbe interactions.
In addition to this, treatment performance of L. fusca-planted CWs was more effective than B. mutica-
and T. domingensis-planted CWs. Therefore, this study emphasizes the use of CWs technology to treat
tannery effluent, preferably planting L. fusca species, along with bacterial augmentation that ultimately
results in the reduction of effluent toxicity and aquatic pollution and poisoning. The current bioassay
results illustrated that disposal of raw tannery effluent is unsafe to fish, causing mortality, alterations
in morphology, physiology, and behaviour, due to its inherent toxicity. Therefore, treatment of tannery
effluent by nature-friendly CWs technology is highly recommended prior to its discharge to water
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resources (by mixing 50% fresh water) to protect the environment. Moreover, toxicity assays on fish
can be practiced economically to ensure safe disposal of industrial discharge.
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Abstract: Microorganisms colonizing plastic waste material collected in composting-, landfill-,
and anaerobic digestion plants were isolated to obtain novel strains maximally adapted to the
degradation of plastics due to long-term contact with plastic polymers. Twenty-six bacterial strains
were isolated and identified by the 16 S rRNA method, and eighteen strains of yeasts and fungi using
18 S rRNA and the internal transcribed spacer ITS sequencing of the 18 S rRNA gene. In selected
strains, the ability to degrade linear low-density polyethylene (LLDPE), low-density polyethylene
(LDPE), polystyrene (PS), and polyvinyl chloride (PVC) was tested in aerobic liquid-medium cultures.
An oxidative, two-step pretreatment of LLDPE and LDPE using γ- or UV-irradiation followed by a
high-temperature treatment was carried out, and the pretreated plastics were also included in the
degradation experiments. The respective weight losses after biodegradation by Trichoderma hamatum
were: virgin and γ/T90-pretreated LLDPE (2.2 ± 1.2 and 3.9 ± 0.5%), virgin and UV/T60-pretreated
LDPE (0.5± 0.4 and 1.3± 0.4%), and virgin PS (0.9± 0.4%). The Fourier transform infrared spectroscopy
(FTIR) analysis showed that during the treatment of pretreated LLDPE, T. hamatum attacked low
molecular weight LLDPE oligomers, reducing the functional groups (carbonyl C = O), which was
paralleled by a slight increase of the molar mass of pretreated LLDPE and a decrease of the dispersity
index, as demonstrated by gel permeation chromatography (GPC). Thermogravimetric analysis
(TGA) highlighted the formation of functional groups on LLDPE due to polymer pretreatment that
favored fungal attack at the polymer surface. The results provide insight into microbial consortia that
spontaneously colonize the surface of plastics in various environments and their capability to attack
plastic polymers.

Keywords: bacteria; fungi; screening; plastic-polymer degradation; Trichoderma hamatum

1. Introduction

Research focusing on the biodegradation of recalcitrant plastic polymers brought evidence that
many microorganisms are able to attack polymeric chains. However, the degradation efficiency was
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mostly low [1,2]. Therefore, there is a need to isolate highly degradative strains of bacteria and fungi
and better understand the biochemistry of polymer degradation with the aim to develop efficient
degradation technologies [3,4]. Polyethylene (PE) is the most common plastic, accounting for 34%
of the total plastics market. It is extremely resistant to biodegradation [1,5]. Its degradability can be
enhanced by abiotic photo- and thermooxidative treatments, resulting in the production of carboxyl,
hydroxyl, and carbonyl groups that can be oxidized by microbial metabolism [6,7].

PE can be used as the sole carbon source for soil and marine bacteria that generate hydroxyl
groups in the polymer [8,9]. Numerous works document the biodegradation potential of fungal
organisms towards plastics. The examples include LDPE biodegradation by Aspergillus spp. [10,11],
Fusarium spp. [10,12], and Penicillium spp. [13]. An important prerequisite for degradation is an
effective contact of the degrading microorganism and its extracellular enzyme machinery with the
polymer, ensured by the colonization of the plastic surface with bacterial or fungal biofilms [2,14].
Microorganisms are able to modify the hydrophobicity of their cellular surface to promote hydrophobic
interactions with the highly hydrophobic polymer surface [15]. The colonization of the polymer
surface and the subsequent degradation can be increased by thermal pretreatment, chemical oxidation,
or radiation [16,17].

The biodegradation process includes the introduction of functional groups (hydroxyl -OH and
carbonyl C = O) in the polymer molecule and the splitting of the chain by extracellular enzymes to
provide small fragments that enter the intracellular metabolism as carbon and energy sources for
growth [18]. Peroxidases and laccases are implicated in the degradation of PE, the former reducing
the weight average molecular weight and the latter reducing the average molecular weight and
average molecular number of the polymer [19,20]. Esterases and lipases are involved in degradation
of polyester-type polymers [21,22]. A two-step action of bacterial extracellular hydrolases and of a
combination of lipase, esterase, and protease activities was also reported in the degradation of the
aliphatic-aromatic co-polyester Ecoflex® [23,24].

Microoganisms that are in prolonged contact with plastic wastes are adapted to these environmental
conditions to maximize their degradation potential. The strategy for isolating efficient microbial
degraders of plastics is often focused on microorganisms colonizing plastic wastes in soil or other
plastics-polluted environments [2,25,26]. In this study, autochthonous microorganisms colonizing
surfaces of plastic wastes from composting plants, landfills, and anaerobic digestion plants were used
as a source of novel bacterial and fungal strains, presumably well-adapted to the biodeterioration and
biodegradation of plastics. A standard isolation method was used, and the strains were taxonomically
classified. Virgin LLDPE and LDPE were subjected to an oxidative pretreatment. Subsequently,
both virgin and pretreated LLDPE and LDPE, together with virgin PS and polyvinyl chloride (PVC),
were tested for degradation in liquid media with the main purpose of obtaining strains with a high
potential of degradation of plastic polymers. The weight reduction data obtained by a treatment of
LLDPE by T. hamatum were supported by FTIR and GPC analyses.

2. Materials and Methods

2.1. Isolation and Taxonomical Identification of Bacteria and Fungi from Plastic-Polluted Environments

Samples of plastic polymers from the following sites were used for the isolation of new bacterial
and fungal strains: a compost sample from the municipal composting plant (Grenoble, France),
a compost sample from the composting plant (Schendelbeke, Belgium), a sample of black mulching
film removed from agricultural soil in Belgium, a plastic sample removed from soil along a highway
in Belgium, a sample of sludge from the anaerobic digester at a wastewater treatment plant (Treviso,
Italy), and a sample of plastics removed from a landfill (Styron plant, Schkopau, Germany).

The isolation method employed the following media: Nutrient agar (NA), Boyd Kohlmeyer
(BK) medium, Malt extract agar (MEA), Malt extract glucose (MEG) medium, Kirk medium [27],
and Bushnell Haas (BH) medium. The media were used for the isolation of bacteria and fungi at 28 ◦C
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from the above environmental samples to obtain monocolony isolates [28]. When fungi were isolated,
the medium was supplemented with a penicillin/streptomycin/neomycin solution (Sigma Aldrich,
Czech Republic, respective final antibiotic concentrations of 50 units, 0.05 mg·mL−1, and 0.1 mg·mL−1)
to inhibit the growth of bacteria. The subsequent prescreening of strains was based on the degradation
of persistent Azure B dye (100 mg·L−1), which is a method of choice for the rapid evaluation of the
capacity of microorganisms to degrade xenobiotics [29–31].

The screened fungi were identified using a sequence analysis of partial 18 S rRNA and of complete
ITS regions of the 18 S rRNA gene. The bacteria were identified using the partial 16 S rRNA gene.
An amount of 0.5 g of the samples was used for the isolation of total DNA (soil DNA extraction
kit, Sigma-Aldrich, St. Louis, USA), in agreement with the manufacturer’s instructions [32]. DNA
was analyzed with Nanophotometer P300 (Implen, Munchen, Germany). The amplification of DNA
samples was carried out using a bacterial 16 S primer set [33], universal 18 S rDNA primer set [34],
and fungal specific ITS1/ITS4 primer [35]. The PCR-amplified products were purified and ligated with
a pGEM-T easy cloning vector system (Promega, USA) and transformed into OneShot E. coli cells
(Invitrogen, Carlsbad, CA, USA) [31,36]. The transformed cells were used for plasmid isolation and
purification (Millipore plasmid isolation kit, Millipore, Bedford, USA) [31]. Macrogen Inc. (Amsterdam,
Netherlands) sequenced the plasmids. The BLASTN bioinformatics tool was used to obtain the
phylogenetic analysis [32]. Alternatively, bacterial isolates were also identified using the BIOLOG
system (BIOLOG, Hayward, USA) [37].

2.2. Plastic Polymers and Their Pretreatment

LLDPE and LDPE films (density at 20 ◦C: 0.88–0.96 g·mL−1; thickness: 70 and 40 μm for LLDPE
and LDPE, respectively) as well as PS (containing traces of a decolorant agent and about 2000 ppm of a
release agent) were produced by Versalis S.p.A., Italy. PVC (containing plasticizers whose formulation
is confidential) was produced by Gruppo Fabbri Spa., Italy. All plastic polymers were delivered by the
Department of Civil, Chemical, Environmental, and Materials Engineering, University of Bologna,
Italy. PE films were prepared as a neat formulation of the polymer films, avoiding the use of stabilizers
and additives.

The Centre National de la Recherche Scientifique, Clermont-Ferrand, France, performed the
pretreatment of LLDPE and LDPE. The materials were submitted to an oxidative pretreatment. The goal
of this process was to enhance the hydrophilic character of the studied plastics through hydroxyl and
carbonyl chemical groups fixation due to radical oxidation reactions. To ensure going far enough in
the oxidative degradation mechanism, new unusual treatments have been set up by cycling different
oxidative steps. All these treatments and their conditions have been extensively described in a previous
paper [31]. After the treatments, the materials were characterized by FTIR and by melt viscoelasticity
to assess the molecular weight evolution [31].

2.3. Biodegradation Tests

Aerobic liquid-medium cultures were used to test the capability of microorganisms to degrade
plastic polymers. Virgin LLDPE, LDPE, PS, and PVC, as well as pretreated LLDPE and LDPE films,
were used in the experiments [38]. The protocol used in the biodegradation experiments with fungal
and bacterial strains was the same as that described by Novotny et al. [31]. Small pieces (20–30 mg) of
polymer films were used. First, grease was removed from their surface by immersion in 70% ethanol
(10 min., 120 rpm) which also sterilized the polymers. Then, the plastic films were washed with sterile
water, dried, and pre-weighed under sterile conditions to be able to determine the weight reduction at
the end of the experiment. The sterilization of all media was made by autoclaving (120 ◦C, 20 min)
(Systec VX-5, Systec GmbH, Germany).

The biodegradation by fungal strains was carried out aseptically in liquid Czapek Dox medium
pH 6.8. After inoculation, the cultures were incubated at 28 ◦C and aerated by air diffusion. The fungal
static cultures were stirred manually every other day. Fungal cultures grown for seven days in MEG
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medium (5 g·L−1 malt extract, 10 g·L−1 glucose, pH 4.5) were homogenized (Ultra Turrax T25, IKA
Labortechnik, Staufen im Breisgau, Germany) and used as 5% (V/V) inoculum for the above Czapek
Dox cultures.

The biodegradation by Bacillus amyloliquefaciens occurred under aseptic conditions in liquid BH
medium pH 7.0 (Fluka, Germany), to which 1 g·L−1 glucose was added. The medium itself did not
contain any carbon source and, thus, it was adjusted by adding a small amount of glucose to support
the cometabolic process and maintain the bacterial culture viable and active during biodegradation.
The aeration was ensured by shaking at 120 rpm using an orbital shaker (ELMI orbital shaker DOS-20
L, ELMI Ltd., Rı̄ga, Latvia). The bacterial inoculum (5%, V/V) was grown overnight (shaken culture,
28 ◦C, BK medium pH 6.8).

When the biodegradation experiment was terminated, the plastic films were washed (2% SDS
solution, 2 h) to get rid of the attached microbes. Then, they were washed with ethanol (70% V/V)
and deionized water. The degradation was measured as the weight reduction of the dry samples.
The samples were measured in triplicates, always including an abiotic control.

2.4. Physicochemical Analyses

2.4.1. FTIR Analysis

The recording of the infrared spectra of the polymer film samples was as described in [31].
The ATR FTIR spectra of virgin and pretreated LLDPE films obtained before and after the fungal

degradation were measured at room temperature [31].

2.4.2. TGA Analysis

The analysis conditions are described in detail by Novotny et al. (2018) [31]. The temperature
calibration of the equipment followed the protocol suggested by the producer.

2.4.3. GPC Analysis

The number average molecular mass (Mn) and molecular mass distribution index (Mw/Mn) were
measured in 1,2,4–trichlorobenzene containing Santanox-R stabilizer (conditions: 135 ◦C, flow rate
1 mL·min−1, Alliance GPCV 2000 chromatograph, HT (39,500–30,000) and HT6E (5000–1,000,000)
columns, refractive index- and viscometer detectors), as described by Novotny et al. (2018) [31].
Polystyrene standards with a mass range of 580–3,790,000 were used to obtain the calibration curve.
K = 0.0004 and α = 0.74 were used in the calculation [31].

2.4.4. Scanning Electron Microscopy (SEM)

The samples (thin slices of a plastic film) were cut into 5 × 5 mm2 sections with scissors.
After slitting, the samples were mounted onto aluminum stubs and gold-coated (Automatic Sputter
Coater JEOL JFC-1300, JEOL USA, Inc., coating time 20 s). The samples were scanned using a JEOL
JSM-6610LV (Japan) in a high vacuum mode and SEI (secondary electron image). The working
distance (WD) was 15 mm, accelerating voltage 12 kV, and spot size 30 for all scanned samples.
The magnifications used were 500×, 2000×, and 5000×.

3. Results and Discussion

3.1. Isolation and Identification of Microorganisms

New bacterial and fungal strains capable of growth and survival on plastic polymers were isolated
from the surface of plastic polymer wastes collected at six environmentally different sites. A total of
26 bacterial strains were identified using the 16 S rRNA eubacterial primer set (Table 1). Similarly,
18 fungal strains were identified using 18 S rRNA and the ITS sequencing of 18 S rRNA (Table 2).
Bacteria of the genus Bacilllus dominated in the compost-, anaerobic sludge- and landfill samples,
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whereas no similar predominance by a single genus could be observed among the isolated fungal
organisms. The prescreening with Azure B based on the strains’ decolorization efficiency, evaluated
visually on dye-containing agar media (NA) and in liquid medium (BK), was used to select the
following strains: the fungal strains Trichoderma hamatum (University of Ostrava collection no. HF4,
GenBank accession no. FR87271), Trichaptum abietinum (University of Ostrava collection no. CA,
GenBank accession no. J768676), Byssochlamys nivea (University of Ostrava collection no. FK1, GenBank
accession no. M83256.1), Byssochlamys nivea (University of Ostrava collection no. JM5, GenBank
accession no. GU733368.1), and the bacterial strain B. amyloliquefaciens (University of Ostrava collection
no. JB4, GenBank accession no. KT185076). Those strains provided the most efficient and rapid
decolorization response and were further tested for the capability to degrade virgin and pretreated
LLDPE, LDPE, PS, and PVC. The results obtained with B. amyloliquefaciens JB4 are reported in a parallel
paper [31].

Table 1. Bacterial strains isolated from various environments. The strains were identified using
BLASTN search with 16 S rRNA gene sequences, and their GenBank accession nos. of the closest
relative are given in brackets.

Environmental Origin Strain Identity (GenBank Accession No.)
Q-Coverage,

% (Error Value)

Compost (Grenoble, France)

Vibrio sp. (DQ146981.1) 99 (0)
Clostridium roseum (KM999946.1) 71 (0)

Bacillus sp. (JX202600.1) 100 (0)
Bacillus sp. (KJ162135) 100 (0)

Mulching Film From
Soil (Belgium) Pseudomonas poe (JN897284) 100 (0)

Plastics From Soil Along
Highway (Belgium)

Delftia sp. (KF896097) 100 (0)
Uncultured Klebsiella sp. (JN873189) 100 (0)

Compost
(Schendelbeke, Belgium)

Achromobacter sp. (KP670417.1) 100 (1.00 × 10−112)
Vibrio sp. (DQ146981.1) 99 (0)

Bacillus licheniformis (KM226937.1) 97 (0)
Bacillus amyloliquefaciens JB4 (KT185076) 1 100 (0)

Bacillus amyloliquefaciens (KJ469792.1) 100 (0)
Bacillus amyloliquefaciens (KJ545589) 100 (0)
Bacillus amyloliquefaciens (CP006890) 100 (0)

Bacillus amyloliquefaciens (CP010556.1) 99 (0)
Bacillus pumilus (DQ275671.1) 97 (0)
Bacillus subtilis (KJ865584.1) 100 (0)
Bacterium ZI-9 (JQ342232.1) 99 (0)

Sludge From Anaerobic
Digester (Treviso, Italy)

Bacillus sp. (CP009938.1) 100 (0)
Bacillus sp. (EF582419) 100 (0)

Bacillus amyloliquefaciens (KJ545589) 100 (0)

Plastics From Landfill
(Styron, Germany)

Bacillus cereus (KF805048) 100 (3.00 × 10−164)
Bacillus sp. (FJ596521.1) 100 (0)

Bacillus subtilis (KJ604979.1) 100 (0)
Klebsiella oxytoca (CP003218) 100 (0)

Alcaligenaceae sp. (AB847924.1) 99 (0)
1 The strain written in bold was further tested for the capability to degrade various plastic polymers, and the results
are reported in a parallel paper [31].
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Table 2. Fungal strains isolated from various environmental samples. The strains were identified using
a BLASTN search with the rRNA gene (18 S sequence, ITS sequence), and their GenBank accession nos.
of the closest relative are in brackets.

Environmental
Origin

18 S Sequence ITS Sequence

Strain Identity
(GenBank Access. No.)

Q–Coverage, %
(Error Value)

Strain Identity
(GenBank Access. No.)

Q–Coverage. %
(Error Value)

Compost Sample
(Grenoble, France) - - Filobasidium floriforme (KF971359) 100 (0)

Mulching Film
from Soil (Belgium)

Fusarium oxysporum
(KF562839) 100 (0) Fusarium oxysporum (JF776163) 100 (0)

Mucor circinelloides
(JQ014009) 100 (0) Mucor circinelloides (HQ285608) 99 (0)

Fusarium oxysporum
(KF562839) 100 (0) Fusarium oxysporum (KC202938) 100 (0)

Trametes sp. (FJ515315) 99 (0) Uncultured Fungus (KF800596) 100 (0)

Plastics from Soil
Along Highway

(Belgium)

Uncultured fungus
(AB534505) 100 (0) Fusarium sp. (JQ388248) 100 (0)

Hypocrea muroiana
(JN941682) 100 (0) Trichoderma hamatum HF4 1 (FR872741) 100 (0)

Uncultured fungus
(GU306002) 99 (0) Thanatephorus cucumeris (FR670341) 100 (0)

Plastic Samples
from Composting

Plant (Belgium)

- - Galactomyces geotrichum (DQ683112) 100 (0)

Trichaptum abietinum CA
1 (FJ768676) 100 (0) Uncultured fungus (JF721422) 100 (0)

Byssochlamys nivea FK1 1

(M83256.1)
100 (0) - -

Pseudallescheria sp.
(FN666094.1) 99 (0) Pseudallescheria sp. (AY939802.1) 99 (0)

- - Pseudallescheria boydii (AY213683.1) 99 (0)

- - Trametes suaveolens (KE573015) 99 (0)

Trametes sp. (FJ51531) 99 (0) Trametes gibbosa (KC525203) 100 (0)

Pseudallescheria ellipsoidea
(U43911) 100 (0) Scedosporium apiospermum (JN207446) 100 (0)

Graphium sp. (FJ176832) 100 (0) - -

Sludge
(Treviso, Italy)

Byssochlamys nivea JM5 1

(GU733368.1)
99 (0) - -

1 The strains written in bold were further tested for the capability to degrade various plastic polymers (cf. Table 3).

Table 3. Plastic polymer weight reductions obtained with preselected isolates of fungi in two-month
biodegradation tests in liquid medium cultures using various synthetic polymers.

Plastic Polymers Character of Polymers Microorganism Weight Loss (%) Abiotic Control (%)

LLDPE
Virgin Trichoderma hamatum HF4 2.2 ± 1.2 1.3 ± 0.8

Pretreated /T90 1 Trichoderma hamatum HF4 3.9 ± 0.5 0.3 ± 0.1

LDPE
Virgin Trichoderma hamatum HF4 0.5 ± 0.4 0.2 ± 0.1

Pretreated /T150 1 Trichoderma hamatum HF4 0.9 ± 0.1 0.2 ± 0.1

Pretreated UV/T60 1 Trichoderma hamatum HF4 1.3 ± 0.4 0.4 ± 0.1

PS Virgin Trichoderma hamatum HF4 0.9 ± 0.4 0.4 ± 0.2

PVC Virgin

Trichoderma hamatum HF4 20.0 ± 0.5

9.9 ± 2.9
Byssochlamys nivea FK1 18.4 ± 0.7

Trichaptum abietinum CA 17.5 ± 0.7

Byssochlamys nivea JM5 15.5 ± 0.9
1 The plastic polymers were pretreated as follows: LLDPE /T90, -irradiation (200 kGy)/temperature 90 ◦C; LDPE
/T150, -irradiation (50 kGy)/temperature 150 ◦C; UV/T60, UV irradiation 7 days/temperature 60 ◦C.
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3.2. Biodegradation of Polymer Plastic Films Measured by Gravimetric Analysis

The results of the gravimetric analysis after the degradation experiments are shown in Table 3.
T. hamatum exhibited a weight reduction rate of about 4% (w/w) with the pretreated LLDPE after
two months. The weight reduction obtained in the abiotic control was ten times lower. In the case
of virgin and pretreated LDPE, the weight losses obtained with T. hamatum were 0.5%–1.3% (w/w),
slightly exceeding the values obtained in the abiotic controls. Compared to the degradation rates
obtained with virgin LLDPE and LDPE, the improvement of the biodegradability by the pretreatment
of LLDPE and LDPE was rather low (Table 3). The biotic weight losses observed were similar to those
reported after a 90-day degradation of -irradiated LDPE by fungal strains of Paecilomyces, Aspergillus,
and Lasiodiplodia [38,39]. Similarly, Briassoulis et al. [6] reported weight reductions of 0.7% and
6.7% (w/w) of prooxidants-containing LLDPE-P1 mulching films that were exposed to soil conditions
for 19 months. On the other hand, wood- and litter-saprotrophic fungi isolated from lake-floating
plastic debris were reported not to be able to degrade PE in the form of PE powder in mineral agar
medium [40].

PS was highly resistant to biodegradation by T. hamatum, the degradation rate after two months
being only 0.9% (w/w) (Table 3). The extremely low degradability of PS is in agreement with the reports
of other authors [41].

By far, the highest degradation rates were obtained with PVC (Table 3). Four different
microorganisms were tested, and the weight reductions were in the range of 15% to 20% (w/w),
whereas the abiotic control showed a weight loss of 9.9% (w/w). PVC polymer usually contains additives
such as stabilizers, plasticizers, and lubricants, sometimes in large quantities of up to 30% in weight.

The predominant plasticizers used in PVC are phthalic acid esters that are well biodegradable
by bacteria and fungi [42,43]. In keeping with other studies documenting that these additives are
primarily attacked by microorganisms [44] and that their removal is responsible for the weight reduction
observed in biodegradation experiments [45], we concluded that the weight reductions observed after
the exposure to the fungi shown in Table 3 were probably caused by the removal of the additives.
The weight reduction values obtained in our experiments with PVC films (Table 3) were comparable to
those measured with PVC cables in landfill simulation experiments [45].

The SEM observations showed that the fungal degradation of PVC by T. abietinum and T. hamatum
representing a weight loss of 17.5% to 20% (W/W) (Table 3) resulted in a smooth surface comparable
to that of the abiotic control films (9.9% weight loss) (Figure 1a,c,d). In comparison, the bacterial
degradation by B. amyloliquefaciens (18.3% weight loss) described by Novotny et al. (2018) [31] produced
an uneven surface of the PVC films with intertwined fibrils (Figure 1b). The bacterial and fungal attacks
thus seem to have a different character. The cracks in the film after the degradation by T. abietinum
indicated that the PVC film became brittle after degradation, suggesting a possible glass transition [44],
and its outer layer seemed to peel off as a result of the fungal attack (Figure 1c).

Higher standard deviation values in some degradation experiments (Table 3) probably resulted
from small amounts of microbial biofilms that remained attached to the polymer surface after washing.
Another factor that also contributed to large standard deviation values was the fragmentation of
some plastic polymer films, namely the pretreated LDPE, PS, and PVC, into small pieces during
biodegradation. Briassoulis et al. [6] mentioned a similar problem in soil experiments.

3.3. Biodegradation of Polymer Plastic Films by T. Hamatum Measured by Physicochemical Methods

3.3.1. FTIR Analysis

The pretreated LLDPE film samples obtained by degradation with T. hamatum were analyzed by
ATR Fourier transform infrared spectroscopy, and then those spectra were compared, respectively, with
the pretreated- and virgin LLDPE that were not subjected to the microorganisms’ actions. A relatively
strong band with a maximum at 1715 cm−1 corresponding to the stretching vibrations of C = O
groups was observed in the spectrum of the pretreated LLDPE (Figure 2, line A). It is known that the
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appearance of the carbonyl band in the FTIR spectrum of the pretreated LLDPE sample is associated
with the presence of carboxylic acid, aldehyde, ketone, ether, or ester groups which arose during the
pretreatment of virgin LLDPE by exposing it to -irradiation (200 KGy doses)/thermal treatment at 90
◦C (Figure 2, line A). A further comparison of the FTIR spectra of the pretreated LLDPE film samples
before (line A) and after a two-month degradation by T. hamatum (line C) showed noticeable changes
in the structure of the samples studied, visualized by a slight decrease in the intensity of the carbonyl
band in the spectrum C (Figure 2, line C). In order to express the decrease of the concentration of
carbonyl compounds measured by FTIR in the case of the pretreated LLDPE sample after a two-month
exposure to T. hamatum (Figure 2, line C), the carbonyl index was used, calculated as a ratio between
the area of the signal at 1715 cm−1 (related to the C = O groups’ absorbance region) and the signal at
1470 cm−1 (which was ascribed to the methylene absorption band -CH2).

 

Figure 1. SEM of the PVC surface after a two-month degradation (magnification 5000×): (a) Abiotic
control; (b) B. amyloliquefaciens; (c) T. abietinum; and (d) T. hamatum.

Figure 2. FTIR spectra of pretreated LLDPE after a two-month biodegradation with T. hamatum in liquid
medium: Top, virgin LLDPE; (line A), No exposure; (line B), abiotic control (two months); (line C),
two-month biodegradation. Pretreatment conditions: -irradiation (200 KGy dose)/thermal treatment
90 ◦C, seven days.
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The results indicated a slight decrease of the intensity of the C = O band in the case of the LLDPE
sample analyzed after a two-month exposure to T. hamatum (Figure 2, line C) in comparison to the
sample collected after the pretreatment (Figure 2, line A) and to the abiotic control (Figure 2, line B).
This observation indicated a slight decrease of the quantity of LLDPE oligomers functionalized with
carbonyl groups in the sample measured after a two-month exposure to T. hamatum (Figure 2, line C).
This effect might be caused by the ability of the fungus to attack and assimilate the C =O-functionalized,
low-molecular-weight LLDPE oligomers, which led to a decrease of the quantity of such oligomers
on the film surface of the LLDPE sample studied. A similar effect was observed when the pretreated
LLDPE was exposed to B. amyloliquefaciens [31]. A decrease of the carbonyl index was also reported
after a 19-month soil burial of pretreated LLDPE-P1 films [6] or after a 2- to 6-week exposure of aged,
oxo-biodegradable, pro-oxidant-containing LDPE to Pseudomonas aeruginosa [46].

In the case of the biodegradation of pretreated LDPE (data not shown), the structural differences
between the pretreated sample and the sample after a two-month treatment by T. hamatum were almost
invisible, which indicated a very poor biodegradation ability of this polymer by the microorganism.

3.3.2. GPC Analysis

The FTIR results suggesting a microbial attack on functionalized, low-molecular-weight LLDPE
oligomers (Figure 2) are in agreement with the measurements of the changes of the average molar masses
of pretreated LLDPE samples before and after a two-month biodegradation. The GPC measurements
showed that the average molar mass of the virgin LLDPE sample decreased after the -irradiation
(200 KGy doses)/thermal treatment of the sample (Table 4, entries 1 and 2). Additionally, the observed
higher dispersity index Mw/Mn indicated the formation of polymer chains that differed in their lengths,
including low-molar-mass oligomers.

Table 4. GPC analysis of virgin- and pretreated LLPDE films exposed or not exposed to T. hamatum.

Polymer Treatment Conditions Mn (g·mol−1) Mw (g·mol−1) Mw/Mn

Virgin LLDPE No exposure 75,500 163,400 2.16

Pretreated LLDPE No exposure 1900 32,200 16.9

Pretreated LLDPE Abiotic control 2700 38,500 14.25

Pretreated LLDPE 60-day exposure 2700 38,000 14.07

Mn, number average molecular weight; Mw, weight average molecular weight; Mw/Mn, polydispersity index.
The abiotic control was not exposed to T. hamatum but was incubated for two months in the biodegradation medium
under similar conditions.

The molar masses of both the pretreated LLDPE sample after biodegradation and the LLDPE
abiotic control sample slightly increased, together with the reduction of the dispersity index (Table 4,
entries 3 and 4). Such results can be explained by a migration of water-soluble, low-molar-mass,
C = O-functionalized LLDPE oligomers into the medium or water. Moreover, it is worth emphasizing
that in the case of LLDPE samples, after 60 days of exposure to T. hamatum, the dispersity index
decreased in comparison with the abiotic control sample. Such a phenomenon can be explained as
follows. Due to the presence of the oxygen functional groups (e.g., carbonyl groups) on the surface
of the LLDPE film samples, T. hamatum could attack this surface and progressively enhance the
biodegradation by the further cleavage of the LLDPE polymer chains and by the formation of an
additional amount of low-molar-mass LLDPE oligomers. Both the initial functionalization and the
biodegradation process were mostly limited to the surface of the LLDPE film samples. Therefore,
O-functional oligomers with a low molar mass, formed both as a result of γ-irradiation and of the
additional two-month action of T. hamatum (due to their greater polarity and greater affinity for the
culture medium), could easily be released from the LLDPE film samples into the liquid medium,
and could also be assimilated by microorganisms. The migration and/or assimilation of oligomers
from the tested LLDPE samples resulted in the loss of low-molecular-weight polymer chains, which
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caused an increase of the molecular homogeneity of the sample, a decrease of the dispersion index
(Mw/Mn), and an increase of the average molar mass of the LLDPE film obtained by the two-month
exposure to T. hamatum, as confirmed by the GPC analysis (Table 4, entry 4).

3.3.3. TGA Analysis

Figure 3 shows the TGA curves of the pretreated LLDPE films incubated for 20, 40, and 60 days
with T. hamatum and the corresponding abiotic controls. For comparison, the curves of the virgin
and pretreated LLDPE films are also shown. The pretreatment of LLDPE that included a combined
effect of irradiation and a high temperature caused a huge decrease of the LLDPE thermal stability,
which can be ascribed to the formation of functional groups (hydroxylic, carboxylic, etc.), as also
evidenced by the FTIR analysis (Figure 3; also cf. Novotný et al. [37]), which accelerated the thermal
deterioration. Nevertheless, the formation of functional groups was limited to the LLDPE surface and
probably produced low-molecular-weight, polar segments that solubilized in the culture medium.
This is evidenced by the abiotic control curves obtained after a 60-day exposure to the culture medium
in the absence of T. hamatum, which were very similar to the virgin LLDPE curves. The trend was
somewhat different in the presence of the fungus, where the pretreated LLDPE sample incubated for
20 days was the least thermally stable of all the samples. This suggested that the oxidized groups
produced by irradiation were preferentially attacked by the fungus, with a further cleavage of polymer
chains. This effect was, however, limited to the LLDPE film surface, since the thermal stability of the
samples incubated with T. hamatum was progressively enhanced with time as the functional groups
produced by irradiation were consumed by the fungus.

Figure 3. TGA curves of the -irradiation (200 kGy)/temperature 90 ◦C pretreated LLDPE exposed
to biodegradation by T. hamatum for 20, 40, and 60 days, measured under nitrogen atmosphere
(10 ◦C·min−1). Virgin LLDPE (black), pretreated LLDPE (red), pretreated LLDPE exposed to
biodegradation by T. hamatum for 20 (blue), 40 (green), and 60 days (orange), abiotic control (cyan).
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Figure 4 shows the TGA curves of the pretreated LDPE films incubated for 60 day with T. hamatum
and the corresponding abiotic control. The curves of the virgin and pretreated LDPE films are also
shown for comparison. Those latter curves demonstrate that the main effect of the pretreatment was a
lowering of the thermal stability of LDPE. This effect was probably due to the production of oxidized
groups and cleavage reactions on the polymer chains. However, in contrast to the pretreated LLDPE
(Figure 3), the 60-day incubation in the growth medium, either in the presence of the fungus or in
its absence (abiotic control), did not increase the thermal stability of the LDPE films. This finding
suggested that the UV irradiation did not generate polymer segments small enough to solubilize in the
aqueous culture medium, nor did it generate functional groups enhancing the fungal attack.

Figure 4. TGA curves of the UV irradiation (seven days)/temperature 60 ◦C pretreated LDPE exposed
to biodegradation by T. hamatum for 60 days, measured under nitrogen atmosphere (10 ◦C·min−1).
Virgin LDPE (black), pretreated LDPE (red), pretreated LDPE exposed to biodegradation by T. hamatum
for 60 days (orange), abiotic control (cyan).

4. Conclusions

A total of 26 and 18 bacterial and fungal strains colonizing weathered plastics in the environment
were isolated, from which the fungus T. hamatum exhibited the largest weight loss-based biodegradation
activities, which were confirmed, in the case of the pretreated LLDPE, by physicochemical analyses.
However, even long-term contact with the plastics microenvironment resulting from the colonization of
their surface, which was expected to lead to an all-round adaptation to these environmental conditions,
provided strains with a generally low plastic-polymer degradation capacity, which documented the
strong resistance of plastic polymers to biodegradation. The pretreatment of LLDPE and LDPE resulting
in the formation of functional groups on the PE surface was able to slightly increase the degradability.
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Investigation, Z.R., P.Š., M.S., G.A.; Resources, Z.R., P.Š.; Writing—Original draft preparation, Č.N., K.M.;
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Abstract: Creosote oil, widely used as a wood preservative, is a complex mixture of different
polycyclic aromatic compounds. The soil contamination result in the presence of a specific microcosm.
The presented study focuses on the most active strains involved in bioremediation of long-term
creosote-contaminated soil. In three soil samples from different boreholes, two Sphingomonas maltophilia
(S. maltophilia) and one Paenibacillus ulginis (P. ulginis) strain were isolated. The conducted experiments
showed the differences and similarities between the bacteria strains capable of degrading creosote
from the same contaminated area. Both S. maltophilia strains exhibit higher biodegradation efficiency
(over 50% after 28 days) and greater increase in glutathione S-transferase activity than P. ulginis ODW
5.9. However, S. maltophilia ODW 3.7 and P. ulginis ODW 5.9 were different from the third of the tested
strains. The growth of the former two on creosote resulted in an increase in cell adhesion to Congo
red and in the total membrane permeability. Nevertheless, all three strains have shown a decrease in
the permeability of the inner cell membrane. That suggests the complex relationship between the cell
surface modifications and bioavailability of the creosote to microorganisms. The conducted research
allowed us to broaden the current knowledge about the creosote bioremediation and the properties
of microorganisms involved in the process.

Keywords: bacteria; bioavailability; biodegradation; creosote; PAHs

1. Introduction

Creosote is a complex mixture of carbonaceous substances obtained from the distillation of
tar. The two main types of creosote are wood-tar creosote and coal-tar creosote. The latter has
been widely used for over 150 years as a wood preservative and water-proofing agent, in railroad
and utilities industries, construction (roofing), bridge and pier decking, fencing or equipment for
children’ playgrounds [1–3]. Creosote oil is characterized by a yellowish to dark brown/black color
and a characteristic strong odor. It is slightly soluble in water and well soluble in organic solvents.
The chemical compositions of the coal-tar creosotes are usually inconsistent and depend on the origin
of the coal used and the nature of the distilling process. Despite the fact that average creosote oil
contains several hundreds of chemicals, only less than 20% are present in the amounts greater than
1% [4]. However, the dominant classes of the compounds found in creosote oil may be distinguished
as follows:

• Aromatic hydrocarbons, including polycyclic aromatic hydrocarbons (PAHs), alkylated PAHs
(up to 90%) and benzene-toluene-ethylbenzene-xylene (BTEX) pollutants group,

• Phenolic compounds, such as cresols, phenols and xylenols,
• Heterocycles containing nitrogen, sulfur or oxygen (e.g., pyridines, quinolones, benzotiophenes,

dibenzofurans and their derivatives),
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• Aromatic amines, such as aniline, aminonaphtalens or diphenylamines [1,4,5].

Due to the wide applications of creosote oil, the substances contained in it can easily enter all
environmental compartments. Among them, sediments, soil and groundwater are believed to be
the most contaminated. However, the transport and distribution of creosote within the environment
depend on the physicochemical properties of its constituents [6–8]. In light of these facts, the chemicals
in creosote can be transferred into animals and plants tissues posing a serious threat for humans [9–12]
and implementation of new, environmentally friendly strategies of its removal is extremely important.

When the effectiveness of the biodegradation of hydrophobic impurities is considered, the role of
bioavailability in this process is increasingly pointed out [13]. The low solubility of PAHs in water
as well as their high sorption to soil particles affect the bioaccumulation of these compounds in the
environment. Moreover, the bacterial cells that show increased affinity to aromatic hydrocarbons can
easier use these compounds as a source of carbon and energy [14,15]. The surface properties of cells are
determined by the hydrophobicity of their outer layers. Van der Waals interactions and electrostatic
forces largely depend on the chemical nature of the functional groups of compounds that build the
outside of the cell wall [16]. On the one hand, the cell wall modification may lead to an increase of cell
hydrophobicity and, in consequence, enhances the bioavailability of hydrophobic compounds. On the
other hand the cells can modify their surface properties to decrease their affinity to pollutant, which
allows us to minimize the contaminant’s toxic impact on cells [13]. However, it should be emphasized
that the hydrophobicity of cell surfaces is not the only key factor in the efficiency of biodegradation
processes. It has been reported that the transport across the membrane of a biodegradable compound
also determines the rate of its assimilation [17,18]. However, increased cell membrane permeability
means not only increased carbon source transport, but also increased cell exposure to toxic xenobiotics.
This negative impact may eventually lead to the death of biomass [19]. Nevertheless, the changes in
cell membrane permeability are the way that cells can use to regulate the interaction with pollutants.
The compromise between a more efficient transport and lower exposure to toxic contaminant is one
of the key factors regulating the biodegradation efficiency. Ultimately, bioavailability is the result of
many mechanisms and only a simultaneous measurement of several parameters describing them can
provide a broader view of its role.

Hence, the aim of the study was to determine the role of surface modification of environmental
strains cells in their biodegradation by creosote. For this purpose, environmental strains were isolated
from soil samples contaminated with PAHs, and the biodegradation efficiency was established and
bound with the measured parameters describing the cell surface properties. Finally, the results obtained
became the basis for verification of the research hypothesis that bioavailability is a factor of significant
importance in biodegradation of the hydrocarbons present in creosote oil.

2. Materials and Methods

2.1. Chemicals

All chemicals used in the research were of analytical grade. The mineral medium for
microorganisms cultivation as well as other aqueous solutions were prepared using ultra-pure
MilliQ water (18.2 MΩ cm). The creosote (type B) was purchased from Centrala Obrotu Towarami
Masowymi DAW-BYTOM Sp. z o.o. (Bytom, Poland).

2.2. Bacteria Strains Isolation

Samples of soil were collected from the area of a railway sleeper treatment plant in Koźmin
Wielkopolski (Central Poland; 51◦50’09.1"N, 17◦26’20.1"E) in order to isolate bacterial strains. This area
has been subjected to permanent contamination with creosote oil for more than 40 years. The samples
were collected in triplicates from three different boreholes (from a depth of 0.5–4.0 m) with the use of a
mechanical drill.

140



Processes 2020, 8, 147

The most active strains that displayed the ability to degrade creosote hydrocarbons were isolated
in accordance with the following procedure. Approximately 10 g of each soil sample was suspended
in a sterile culture medium [20] and 2 mL of a 20% sodium succinate solution was added to each
suspension. The systems were incubated at 22 ◦C for 24 h, then 10 mL of the suspension was introduced
into 90 mL of a fresh sterile culture medium, which was supplemented with 1.5 mL of the 20%
sodium succinate solution as well as 50 μL of creosote. This step was repeated every 7 days, however
the subsequent cultures included only 50 μL of creosote as the sole carbon source. After 28 days,
approximately 0.1 mL of the final culture was used to inoculate agar plates (bioMerieux, Warsaw,
Poland). The plates were incubated (24 h, 22 ◦C) and then used to isolate colonies of individual
bacterial strains. The isolates were subjected to identification based on their 16S rRNA gene sequence
8F 5′AGTTTGATCATCGCTCAG 3′ and 1492R 5′GGTTACCTTGTTACGACTT3′. Furthermore, Vitek 2
Compact (bioMerieux, Warsaw, Poland) kits were used to determine the biochemical profiles of the
isolates [21]. Finally, a hemolysis test was carried out for each isolated strain in accordance with the
procedure described by Hassanshahian [22].

2.3. Creosote Biodegradation Test

The following procedure was employed in order to determine the biodegradation efficiency of
selected bacterial isolates. Liquid cultures were prepared 100-mL glass bottles, which contained 20 mL
of the culture medium and 1 mL of a 20% sodium succinate solution. The bottles were inoculated with
a full loop of cells collected from an agar plate used to store the corresponding bacterial strain. After
incubation (24 h, 22 ◦C) the biomass was separated by centrifugation (4500× g, 5 min), rinsed and
re-suspended in the mineral medium. Afterwards, 18 mL of the medium that contained the cells was
introduced into sterile 100-mL glass bottles, then 2 mL of the described cell suspension (OD600 = 1.0)
from the inoculum was added, followed by 50 μL of creosote. After incubation for 28 days (22 ◦C in the
dark) the residual hydrocarbons were extracted using 8 mL of hexane and subjected to a quantitative
analysis using a Pegasus 4D GCxGC-TOFMS (LECO, St. Joseph, MI, USA) equipped with a BPX-5
column (28 m, 250 μm, 0.25 μm). Helium was used as a carrier gas (1 mL min−1) and the following
temperature program was employed: 40 ◦C for the first 2 min and increased to 300 ◦C at 15 ◦C min−1

(the final temperature was kept for 15 min). The quantity of the residual hydrocarbons was established
using a calibration curve and the final content was corrected based on the values determined for control
and abiotic samples.

2.4. Cell Wall Properties

The changes of cell wall properties were evaluated using bacterial cells collected from 7-day
cultures, which were prepared in accordance with the procedure used for creosote biodegradation
tests. The cells were rinsed twice and then re-suspended in sterile mineral medium in order to obtain
an OD600 value equal to 1.0. Two different series of cultures were prepared for all studied strains: the
first included creosote, while the second included 20% sodium succinate solution.

The hydrophobic–hydrophilic properties of the cells were analyzed based on the adsorption of
Congo red dye on the surface of microbial cells (CR assay), as previously described by Ambalam et al. [23].
Additionally, inner membrane permeability was analyzed based on the o-nitrophenyl-β-D-galactoside
assay (ONPG), which is based on the measurement of the concentration of β-galactosidase, which is
released into the solution after hydrolysis of ONPG [24]. The total membrane permeability was analyzed
based on crystal violet uptake (CV assay) by microbial cells using colorimetric measurements [25].

2.5. Glutathione S-Transferase Activity

In order to investigate the impact of creosote on microbial activity of glutathione S-transferases
(GST), the bacterial cultures of Stenotrophomonas maltophilia ODW 2.4.2, Stenotrophomonas maltophilia
ODW 3.7 and Paenibacillus ulginis ODW 5.9 were established in the same manner as those prepared for
cell wall properties measurements. The 7-day, washed bacterial cells were lysed using the CelLytic™
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B Plus Kit purchased from Sigma-Aldrich, according to the manufacturer’s protocol. The bacterial
lysates were used to measure total GST using a Glutathione S-Transferase Assay Kit (Sigma Aldrich,
MO, USA), which utilizes 1-Chloro-2,4-dinitrobenzene (CDNB). Upon conjugation of the thiol group
of glutathione to the CDNB substrate, there was an increase in the absorbance at 340 nm, which was
measured using a Multiskan Sky Microplate Spectrophotometer (Thermo Fisher Scientific, Agawam,
MA, USA). Later on, the content of proteins was established using a Pierce™ BCA Protein Assay
(Thermo Fisher Scientific, Agawam, MA, USA). The activity of GST was calculated and expressed as
the activity of an enzyme per milligram of total protein (Sigma-Aldrich, St. Louis, MO, USA).

2.6. Statistical Analysis

The results presented in the study were calculated as an average value from at least three
independent experiments. One-way analysis of variance (ANOVA) with Tukey’s range test applied as
a post-hoc analysis was applied in order to determine the statistical significance of differences between
the average values. The differences were considered as statistically significant at p < 0.05. The statistical
analysis was carried out using Statistica v13 (StatSoft, Cracow, Poland).

3. Results and discussion

3.1. Bacterial strains

As a result of selective cultures, one of the most active bacterial strains, which showed the ability
to degrade creosote oil as the only source of carbon and energy, was isolated from each soil sample.
Table 1 contains the strains names and the most important information characterizing them.

Table 1. Bacteria strains isolated from the creosote-contaminated soil samples.

Soil Sample Strain
GenBank (NCBI)

Number
Hemolysis

Test

O10 Stenotrophomonas maltophilia ODW 2.4.2 MK503432.1 alpha
O6 Stenotrophomonas maltophilia ODW 3.7 MK503436.1 alpha
O8 Paenibacillus ulginis ODW 5.9 MK503429.1 beta

In the soil samples taken from the creosote-contaminated area, the most active bacterial strains
capable of degrading PAHs represented two species of microorganisms. In soil samples O10 and
O6 Gram-negative Stenotrophomonas maltophilia strains were found, and Gram-positive Paenibacillus
ulginis in sample O8, respectively. What is more, the S. maltophilia strains were characterized by
alpha hemolysis. In contrast, the P. ulginis cell showed beta hemolysis. Several previous studies have
shown that the most common PAH-degrading strains are those belonging to the genera Pseudomonas,
Sphingomonas and Sphingobium, slightly less often Rhodococcus, Ochrobactrum or Acinetobacter [26].
However, bacteria of the genus Paenibacillus were also observed among them, which is confirmed by
studies carried out by Daane et al. [27]. Furthermore, Mesbaiah et al. [28], by studying PAH-degrading
strains, isolated strain of the genus Paenibacillus, as well, and found its ability to produce extracellular
biosurfactant. This corresponds to the observations made for the strain Paenibacillus ulginis ODW 5.9,
which show a beta hemolysis characteristic of microorganisms producing surfactant compounds [29].
The literature also contains reports on the ability of strains belonging to the species Stenotrophomonas
maltophilia to degrade pyrene [30] and anthracene, phenanthrene, naphthalene or fluorene [31].

3.2. Creosote Biodegradation

Long-term contact of microorganisms with highly toxic PAHs present in the soil affects the
biodiversity of bacteria found there. Three microbial consortia were isolated from the contaminated
soil and then in selective cultures, the bacteria with high biodegradability potential in relation to
hydrocarbons present in creosote oil were isolated. The highest creosote oil biodegradation was
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observed for microorganisms isolated from sample O6 (51% ± 9%). This microbial consortia effectively
biodegraded dibenzofuran (81%), and anthracene and acenaphtene in approximately 70%. The most
active strain isolated from this sample was S. maltophilia ODW 2.4.2, for which a similar level of creosote
oil biodegradation (50% ± 4%) after seven days of the process was obtained (Figure 1). Moreover, high
biodegradation of naphthalene (95%), fluorene (82%) and acenaphthene (74%) was noticed (Figure 1).
What is more, from sample O6 also a strain belonging to the species S. maltophilia ODW 3.7 was isolated,
for which a similar level of creosote oil biodegradation was observed (51%). However, this strain
was characterized by different biodegradable activity in relation to different creosote oil components.
Unlike sample O10, microbial community of O8 sample removed only 35% of creosote. The most
active strain was identified as P. ulginis ODW 5.9. Nevertheless, the biodegradation efficiency of
creosote and creosote components by this strain was the lowest from among the tested bacteria strains.
The effectiveness of biodegradation depends on the chemical structure of creosote components, their
concentration, as well as on the age of the contaminant [2]. Low molecular weight PAHs (consisting
of two and three rings) are faster removed than the compounds of high molecular weight [32–34].
Naphthalene, a two-ringed PAH, is degraded relatively easily [35]. It has been observed that with
increasing size of a PAH molecule, the hydrophobicity and electrochemical stability increase [36] and
slow down the rates of biodegradation. This high hydrophobicity of the compounds present in creosote
and related low water solubility influence their low bioavailability for microorganisms and therefore
biodegradation efficiency [37]. Different species of bacteria show great biodegradation potential of
polycyclic aromatic hydrocarbons [38]. Muangchinda et al. [39] have demonstrated high potential of
Actinobacteria in PAH degradation in river sediments. Subashchandrabose et al. [40] have observed
high biodegradation of phenanthrene by Rhodococcus wratislaviensis strain 9. This strain degraded also
pyrene and benzo[a]pyrene. Our results indicated high biodegradation potential of Stenotrophomonas
maltophilia, which could be used in the degradation of even aged PAHs.

 

Figure 1. Removal of selected PAH present in creosote by selected strains after 28 days.

3.3. Enzymatic Activity in the Presence of Creosote

The glutathione S-transferase (GST) activity was tested in three bacterial strains. Each strain
was cultivated for seven days with the addition of creosote oil (marked as CREO) and without the
addition of this component (control samples, marked as CTRL). Each culture was established in
three biological repetitions and three technical repetitions of each culture were subjected to analysis.
The final results presented in the graph (Figure 2) stand for the average values of these measurements.
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Regarding control samples of all strains tested, the highest activity of GST was measured in the strain
S. maltophilia ODW 3.7 and the lowest value was noted for P. ulginis ODW 5.9. Similar directions of
changes were observed for bacterial cells exposed to creosote oil. What can be clearly seen in the
figure was a significant increase in GST activity in bacterial cells of the strains S. maltophilia ODW 2.4.2
and S. maltophilia ODW 3.7 exposed to creosote in comparison to control samples. In the cell extract
of P. ulginis ODW 5.9 bacterial strain, the activity of GST measured in CREO sample was slightly
higher (when compared to P. ulginis ODW 5.9 CTRL), however, the modifications were not statistically
significant. In general, GST is an enzyme involved, among others, in detoxification of a wide range
of xenobiotics. It works via nucleophilic conjugation of glutathione with electrophilic substrates.
Although, the latter is described as a major detoxification mechanism in mammals [41,42], the activity
of GST in bacterial strains was postulated as well. GST is believed to play an important role in biological
degradation of xenobiotic compounds by bacteria, what was described by Allocati et al. (2009) [43]
and Zablotowicz et al. (1995) [44]. The results of our research confirm the results of these researchers
since the higher activity was measured in samples containing toxic, hazardous compounds for bacteria
and the cells (especially those of S. maltophilia ODW 2.4.2 and S. maltophilia ODW 3.7 strains) might
have initiated the reaction of biological degradation through GST enzymes.

 

Figure 2. Activity of GST enzymes tested in three bacterial strains in control cultures (Ctrl) and the
cultures with the addition of creosote oil (Creo).

3.4. Cell Wall Properties

The next stage of the research has been devoted to the analysis of cell adaptation processes to
degradation of hydrophobic hydrocarbons, which consisted of modification of cell wall properties.
Such adaptations are a very important parameter, which determines the bioavailability of compounds
with low water solubility such as PAH to a high extent [13]. Table 2 includes the results of measurements
of Congo red absorption on the cell surface as well as membrane permeability analyzes. Congo red
adsorption studies indicate that all strains were characterized by slight dye adhesion. In addition, the
ambiguous response of cells to contact with creosote oil should be emphasized. Strain S. maltophilia
ODW 2.4.2 in the culture with an easily digestible sodium succinate exhibited an adsorption of 7%,
whereas in the case of creosote culture this value was lower than 2%. The S. maltophilia ODW 3.7 strain,
which belongs to the same species, behaved differently. In this case, a slight increase in dye adsorption
was observed after comparing the cells from the culture with creosote and succinate. An analogous
but much more pronounced increase (from 3.4% to 13.6%) was observed for P. ulginis ODW 5.9 cells.
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This is coherent with the previous studies, such as these reported by Ghosh and Mukherji [45] or
Obuekwe [46], which established that the biodegradation of PAHs is associated with the increase of cell
hydrophobicity. Moreover, Bezza and Chirwa [47] associated the increase of the hydrophobicity of cells
during the biodegradation of pyrene with the interaction of biosurfactant produced by the bacteria.

Table 2. Bacteria cell wall properties described by the Congo red adsorption assay (CR), the inner and
total membrane permeability tests (ONPG and CV, respectively).

Strain
Carbon
Source

CR
(%)

ONPG
(μM min−1)

CV
(%)

Stenotrophomonas maltophilia
ODW 2.4.2

succinate 7.0 ± 0.8 0.28 ± 0.01 37 ± 3
creosote 1.8 ± 0.6 0.15 ± 0.01 24 ± 2

Stenotrophomonas maltophilia
ODW 3.7

succinate 4.2 ± 0.1 0.51 ± 0.06 40 ± 3
creosote 5.1 ± 0.5 0.44 ± 0.09 59 ± 4

Paenibacillus ulginis
ODW 5.9

succinate 3.4 ± 0.8 1.24 ± 0.21 16 ± 2
creosote 13.6 ± 0.9 0.13 ± 0.06 36 ± 3

The differences between the two tested strains of S. maltophilia were also evident during the
analysis of total membrane permeability measured by the degree of penetration of crystal violet.
S. maltophilia ODW 2.4.2 exhibited a clear decrease (from 3.7% to 24%) of membrane permeability of
cells cultured using creosote, while S. maltophilia ODW 3.7 cells increased their membrane permeability
after the comparison of samples from creosote-supplemented cultures with those from cultures with
sodium succinate. Additionally, in the case of strain P. ulginis ODW 5.9, the presence of aromatic
hydrocarbons resulted in an increased membrane permeability. The influence of the contact of the tested
strains with creosote on the permeability of the inner cell membrane was relatively unambiguous and
analogous. In all cases, the rate of o-nitrophenol formation resulting from the reaction catalyzed with
intracellular galactosidase decreased in cultures with a mixture of PAHs. In the case of P. ulginis ODW
5.9, there was a significant ten-fold decrease of the measured parameter (from 1.24 to 0.13 μM min−1).
However, it should be emphasized that the measured value could be affected by both the permeability
of the internal membrane and the amount of enzyme produced by the cell. Jiang et al. [48] underlined
that the xenobiotic can be a factor that enhances the biodegradation by altering the permeability of
bacterial cell membrane. Additionally, the study of Kuyukina et al. [49] suggests that organic solvents
primarily affect bacterial membranes. This results in the loss of membrane integrity, but the cells may
remain viable. However, the decrease in membrane permeability may be a cellular defense response to
the presence of a toxic compound [50]. These two mentioned mechanisms can affect the measured
membrane permeability to a different degree, which explains the observed differences in the membrane
permeability of the strains studied in the framework of this study. Moreover, it can be assumed that the
very low inner membrane permeability and relatively higher Congo red adsorption ratio is associated
with lower bioavailability of creosote to bacterial cells, which may explain the low biodegradation of
the mixture of these PAHs by P. ulginis ODW 5.9 in comparison with S. maltophilia strains.

4. Conclusions

The conducted experiments showed the differences and similarities between strains capable of
degrading creosote from the same contaminated area. The S. maltophilia strains exhibited higher
biodegradation efficiency and the more significant increase in glutathione S-transferase than P. ulginis.
It can suggest the higher adaptation potential of the strains from this genus than the P. ulginis strain.
High level of the S-transferase activity indicates activation of the metabolic pathways involved in
biotransformation of the creosote hydrocarbons. Moreover, it can be presumed that the P. ulginis
strain uses other enzymes to degrade the pollutant. However, studies of cell surface properties show
differences between S. maltophilia strains. S. maltophilia ODW 3.7 and P. ulginis ODW 5.9 distinguished
from the third of the tested strains in that the growth on creosote resulted in an increase in both cases
in cell adhesion to Congo red, as well as the total membrane permeability. However, all three strains
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shown decreased in inner membrane permeability. To summarize, the obtained results brought new
valuable information on the variety of characteristics and properties of microorganisms involved in
the bioremediation processes of creosote oil in contaminated soil.
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Abstract: Improperly treated or directly discharged into the environment, wastewater containing
dyes can destroy the quality of water bodies and pollute the ecological environment. The removal
of dye wastewater is urgent and essential. In this study, corn stalk was pyrolyzed to pristine
biochar (CSBC) in a limited oxygen atmosphere and modified using KOH and H3PO4 (KOH-CSBC,
H3PO4-CSBC, respectively). The biochars were characterized by surface area and pore size, X-ray
diffraction (XRD), Fourier transform infrared (FTIR) spectroscopy, X-ray photoelectron spectroscopy
(XPS), as well as their behavior in adsorbing methylene blue (MB). Results indicated that the pore
structure of CSBC became more developed after modification by KOH. Meanwhile, H3PO4-CSBC
contained more functional groups after activation treatment. The pseudo-second-order kinetic
and the Langmuir adsorption isotherm represented the adsorption process well. The maximum
MB adsorption capacity of CSBC, KOH-CSBC, and H3PO4-CSBC was 43.14 mg g−1, 406.43 mg g−1

and 230.39 mg g−1, respectively. Chemical modification significantly enhanced the adsorption of
MB onto biochar, especially for KOH-CSBC. The adsorption mechanism between MB and biochar
involved physical interaction, electrostatic interaction, hydrogen bonding and π–π interaction. Hence,
modified CSBC (especially KOH-CSBC) has the potential for use as an adsorbent to remove dye from
textile wastewater.

Keywords: corn stalk biochar; KOH modification; H3PO4 modification; Methylene blue; Adsorption

1. Introduction

Wastewater from the textile industry typically contains dyes and has a high content of organic
toxicants, high color, and strong resistance to biodegradation, photolysis and oxidation, and is
potentially carcinogenic. If improperly treated or directly discharged into the environment, wastewater
containing dyes can destroy the quality of water bodies and pollute the ecological environment [1].
Methylene blue (MB) is an important synthetic dye and was widely used in the field of chemical
indicators, dyes, biological dyes and drugs. Wastewater containing MB can enter a water body through
different pathways and cause serious harm to environmental and human health [2]. Therefore, the need
is urgent to develop an effective, low cost, easily operated technology for MB wastewater treatment.
Adsorption has been an important technology to remove MB from wastewater. The correct choice and
preparation of an efficient adsorbent is the priority for effective application of adsorption technology.

Currently, biochar is attracting great attention due to the important function it provides in
greenhouse gas emission reduction, soil carbon sequestration, pollutant control and solid waste
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reclamation [3,4]. Biochar is the solid residue of an organic material that is pyrolyzed in the absence
of oxygen or in a limited oxygen atmosphere. Because biochar can be made from a wide variety of
raw materials, has a good adsorption capacity, and has large surface area, pore volume and abundant
functional groups, many investigations have assessed the use of biochar as an adsorbent for removing
pollutants from aqueous solution [5–9].

Compared with that of commercially available activated carbon, the adsorption effect of biochar
needs to be improved. Techniques for achieving this improvement have become an areaof intense
research activity. Activated or modified biochar has been prepared and applied to remove specific
contaminants [10–12]. Activation methods include physical and chemical pathways. Physical
activation can increase the surface area and improve the pore structure of biochar. Likewise, chemical
activation can enrich the functional types of biochar and provide more binding sites for pollutant
removal [13–16]. The preparation of highly effective adsorbents can provide a new option for the
utilization of corn residues.

Research has shown that KOH and H3PO4 are commonly used biochar activators. Luo et al. [17]
investigated the sorption of norfloxacin, sulfamerazine and oxytetracycline by KOH-modified biochar
(from cassava waste). Bashir et al. [18] studied Cd removal by KOH-modified biochar (from rice straw).
Huang et al. [19] reported removal of tetracycline by KOH-modified biochar (from poplar sawdust).
Meanwhile, Chen et al. [20] revealed tetracycline removal by H3PO4-modified biochar (from rice straw
and swine manure). Peng et al. [21] indicated that adsorption of Cu(II) and Cd(II) was enhanced by
H3PO4-modified biochars (from pine sawdust). Zhao et al. [22] confirmed that Cr(VI) and organic
contaminants could be co-removed by H3PO4-modified biochars. All of this research has shown that
modification of biochar using KOH and H3PO4 is effective and feasible. However, comparison of
the modification effect of KOH-biochar and H3PO4-biochar to facilitate pollutant removal has rarely
been reported.

More than 250 million metric tons of corn (i.e., maize) residues are generated annually in China [23].
The utilization pathways for these residues include industrial materials, animal feed, fuel products
and biomass energy [24]. However, some corn residue is disposed of by open-air burning, which not
only pollutes the environment, but also wastes a valuable biomass resource. Hence, it is urgent to
explore new ways to utilize these residues.

In this study, corn residue (specifically corn stalks) was chosen as the research object and was
pyrolyzed to prepare pristine biochar. KOH and H3PO4 were used to modify the pristine biochar.
Then, the pristine and modified biochars were applied to remove MB from wastewater. The research
was expected to provide a basis for corn residue utilization and removal of MB dye from wastewater.

2. Materials and Methods

2.1. Materials and Reagents

Corn stalk was collected from the Anhui agricultural university’s experimental farm. Analytically
pure reagents (MB, KOH, HCl, NaOH and H3PO4) were purchased from Sinopharm Chemical Reagent
Co. Ltd. (Shanghai, China) for use in the experiments.

2.2. Preparation of Biochar and Modified Biochar

First, the corn stalk was washed with deionized water and dried in an oven. After drying, the
stalk was crushed and passed through a 100 mesh sieve and then stored for future experimentation.
Last, the crushed corn stalk was pyrolyzed to pristine biochar at 500 ◦C in a muffle furnace under
limited oxygen atmosphere. After washing several times with pure water, the biochar was dried in an
oven (80 ◦C for 24 h). This procedure produced pristine corn stalk biochar (CSBC).

A weight of 6.0 g CSBC was put into each of two centrifuge tubes. A weight of 6.0 g KOH and
20 mL pure water was added to one tube. An amount of 6 mL H3PO4 and 20 mL ultrapure was added
to the other tube. Then, the two tubes were placed on a shaker to fully oscillate for 24 h, after which
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the tubes were removed and the biochars dried at 80 ◦C for 48 h. Then, each of the treated biochars
was placed in an individual ceramic crucible, covered with a lid, and placed in a muffle furnace to
activate the biochars. The activation temperature was 700 ◦C (generally, the biochar was prepared
under 700 ◦C, and thus the activation temperature was chosen as 700 ◦C), which was attained at a
heating rate of 10 ◦C/min and maintained for 2 h. Then, the crucibles were cooled to room temperature
and the modified biochars were removed. Deionized water was used to remove impurities from the
biochars by washing them several times until the pH of eluent reached neutrality. The washed biochars
were dried in an oven for characterization and use in experiments. Hereafter, the KOH-treated and
H3PO4-treated biochars are referred to as KOH-CSBC and H3PO4-CSBC, respectively.

2.3. Characterization

The pristine and modified biochars were characterized using various techniques. The surface
area and pore sized of the biochars were measured using an automatic specific surface area and pore
analyzer (Tristar II 3020M, Micromeritics Instrument Corporation, Norcross, GA, USA). The surface
morphology of biochars was analyzed using scanning electron microscopy (SEM, S-4800, Hitachi,
Japan). Fourier transform infrared spectroscopy (FTIR) was used with the KBr pellet technique to
characterize the functional groups of biochars (FTIR, Nicolette is50, Thermo Fisher Scientific, Waltham,
MA, USA). The minerals in biochars were detected by X-ray diffraction (XRD, D8 Advance, BrukerAXS
GmbH, Karlsruhe, Germany). The surface elements, speciation and relative distribution of elements
within the biochars were determined by X-ray photoelectron spectroscopy (XPS, ESCALAB 250, Thermo
Scientific-VG Scientific, Waltham, MA, USA).

2.4. Adsorption Experiments

2.4.1. Influence of Solid-to-Liquid Ratio on Methylene Blue (MB) Adsorption

MB solution (30 mL) with a concentration of 50 mg L−1 was placed in 50 mL centrifuge tubes.
A certain mass of pristine or modified biochar was weighed and added into the tubes to adjust the
solid-to-liquid ratio at 0.5, 1.0, 2.0, 3.0 and 4.0 g L−1. Then, the tubes were placed in a constant
temperature shaker with a speed of 150 rpm for 24 h at 25 ◦C. The tubes were centrifuged for 10 min at
a speed of 4000 rpm. The resulting supernatant was filtered through a 0.45 μm membrane, and the
absorbance of the supernatant at the wavelength of 665 nm was measured using a spectrophotometer.

2.4.2. Influence of Initial pH of Solution on MB Adsorption

MB solution (30 mL) with a concentration of 100 mg L−1 was placed in 50 mL centrifuge tubes.
The pH of the solutions was adjusted to 3.0, 5.0, 7.0, 9.0 and 11.0 using either 0.1M HCl or NaOH. A
certain mass of pristine or modified biochar was added to the tubes to adjust the solid-to-liquid ratio at
0.5 g L−1. The tubes were then processed as described in Section 2.4.1 (i.e., oscillation, centrifugation,
filtration and absorbance determination).

2.4.3. Adsorption Kinetics

MB solution (100 mL) at a concentration of 50 mg·L−1, 100 mg·L−1 or 200 mg·L−1 was added to
each of three beakers. Then, 0.1 g CSBC, 0.1 g KOH-CSBC and 0.1 g H3PO4-CSBC was added separately
to each beaker. Each beaker was placed on a magnetic stirrer and the temperature held constant at
25 ◦C. Samples were collected at various times and filtered through a 0.45 μm membrane, after which
the absorbance at 665 nm was detected. The concentration of MB was set at 50 mg L−1 and 100 mg L−1

for CSBC, and 100 mg L−1 and 200 mg L−1 for both KOH-CSBC and H3PO4-CSBC.

2.4.4. Adsorption Isotherm

To develop adsorption isotherms, 30 mL of MB solution was placed in a 50 mL centrifuge tube.
The concentration of MB was adjusted in the range 100–500 mg·L−1. Then, 0.015 g of CSBC, KOH-CSBC
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and H3PO4-CSBC was added separately to individual tubes. The tubes were placed in a constant
temperature shaker with a speed of 150 rpm for 24 h at 25 ◦C. Then, the tubes were centrifuged for
10 min at a speed of 4000 rpm. The resulting supernatant was filtered through a 0.45μm membrane. The
absorbance of the supernatant at the wavelength of 665 nm was measured using a spectrophotometer.

2.4.5. Data Analysis

The amount of MB adsorbed by biochar was calculated using Equation (1).

qt = (C0 − Ct)V/m (1)

In Equation (1) qt (mg g−1) is the adsorption capacity of MB at time t, C0 (mg·L−1) is the initial MB
concentration, and Ct (mg·L−1) is the equilibrium concentration of MB at time t. V is the volume of dye
solution, L. The m is the weight of adsorbent used, g.

The kinetic adsorption data were described (fitted) using a pseudo-first-order model and a
pseudo-second-order model.

The pseudo-first-order model [25] is described by Equation (2):

ln(qe − qt) = ln(qe) − k1t (2)

and the pseudo-second-order model [26] is described by Equation (3):

qt = k2·qe
2t/(1 + k2qe

2t) (3)

In Equations (2) and (3), qt and qe (mg g−1) are the adsorption capacity of MB on biochar at time t
and at equilibrium time, respectively; and k1 (min−1) and k2 (g mg−1 min−1) are the rate constants of
the pseudo-first-order and pseudo-second-order kinetic reactions, respectively.

The adsorption isotherm data were fitted using the Langmuir and Freundlich models.
The Langmuir model [27] is described by Equation (4):

qe = qmKLCe/(1 + KLCe) (4)

The Freundlich model [28] is described by Equation (5):

qe = KfCe
1/n (5)

In Equations (4) and (5), Ce (mg L−1) is the equilibrium concentration of the solution; qe (mg g−1)
is the equilibrium adsorption capacity; KL is a constant for the Langmuir model; qm (mg g−1) is the
maximum adsorption capacity; Kf (L mg−1) is a constant for the Freundlich model; and 1/n is the
adsorption affinity constant.

3. Results and Discussion

3.1. Characterization of Biochars

The scanning electron microscopy (SEM) micrographs of CSBC, KOH-CSBC and H3PO4-CSBC
are shown in Figure 1. The morphology of corn stalk remained in the CSBC. Some fragments that
appeared in the CSBC were mainly from the thermal decomposition of cellulose and hemicelluloses.
The pyrolysis temperature for CSBC was 500 ◦C. Thermal decomposition of cellulose, hemicellulose
and lignin occurs at 220–315 ◦C, 315–400 ◦C and 160–900 ◦C, respectively [29]. After KOH modification,
the biochar pore structure became more developed, and more fragments were observed on the surface
of the KOH-CSBC. Some crystal particles also appeared on the surface of KOH-CSBC. The mineral
components were formed from the thermal decomposition of KOH. Meanwhile, the modification of
CSBC by KOH promoted the formation of a more microporous structure. The modification of biochar
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using H3PO4 resulted in different characteristics than those resulting from KOH modification. More
fragments in biochar bonded together after H3PO4 modification, and the surface of H3PO4-modified
CSBC exhibited a smooth and gelatinous appearance, and the fragments of CSBC bonded together,
inhibiting the formation of a microporous structure.

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 
 

CSBC CSBC 

KOH-CSBC KOH-CSBC 

H3PO4-CSBC H3PO4-CSBC 

Figure 1. Scanning electron microscope (SEM) micrographs of corn stalk biochar(CSBC), KOH-CSBC
and H3PO4-CSBC.

The surface area, pore volume and pore size of biochars are displayed in Table 1. After KOH
modification, the surface area of biochar significantly increased from 24.2543 to 473.6432 m2·g−1. The
surface area increased approximately 20 times after KOH activation. The pore volume of KOH-CSBC
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also increased and pore size decreased. However, after H3PO4 modification, the surface area of biochar
decreased from 24.2543 to 2.8404 m2g−1. The pore volume of H3PO4-CSBC also decreased and pore
size increased. Thus, the measurements of surface area, pore volume and pore size were consistent
with the observations of SEM images. KOH modification obviously influenced the surface structure of
biochar, which suggested the treatment could affect the removal of MB from the solution.

Table 1. Surface area, pore volume and pore size of biochars.

Samples Surface Area (m2 g−1) Pore Volume (cm3 g−1) Pore Size (Å)

corn stalk biochar (CSBC) 24 0.021 34.0
KOH-CSBC 474 0.24 20.4

H3PO4-CSBC 3 0.0025 35.1

Surface area: Brunauer–Emmett–Teller (BET-N2) method; Total pore volume of pores; Adsorption average pore width.

The XRD spectra of CSBC, KOH-CSBC and H3PO4-CSBC are shown in Figure 2. Amorphous
carbon peaks were obvious in spectra from the CSBC. Some minerals also were detected in the
CSBC, including CaCO3 and KCl. After KOH modification, K and K2O were observed in the biochar,
suggesting that KOH had reacted with the carbonaceous components in CSBC. Only amorphous
carbon was detected in H3PO4-CSBC, indicating that H3PO4 modification mainly affected the organic
components of CSBC.

Figure 2. X-ray diffraction (XRD)spectra oftested adsorbents.

The FTIR spectra of CSBC, KOH-CSBC and H3PO4-CSBC are presented in Figure 3. The functional
groups of CSBC, KOH-CSBC and H3PO4-CSBC differed significantly. The specific functional groups for
the different types of biochar are shown in Table 2. The main groups in CSBC included OH, aliphatic
C, C=O and C=C, carboxyl anions (affected by C=O stretching), Si–O and C–H [30]. The main groups
in KOH-CSBC included OH, C=O and C=C, substances in the phenolic O–H band, alkenes (affected by
C–H bending), cellulosic ethers (affected by C–O–C stretching), aromatic C–H, and CH–of alkenes and
alkane [31]. The modification of KOH led to the disappearance of aliphatic C and carboxyl anions due
to the high pyrolytic temperature (700 ◦C). The appearance of the phenolic O–H band, C–H bending of
alkenes, and C–O–C stretching indicated the formation of olefin compounds. The existence of aromatic
C–Hand aromatic C–O stretching suggested the further enhancement of the CSBC’s aromatic structure.
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Figure 3. Fourier transform infrared (FTIR) spectra of tested adsorbents.

Table 2. The main functional groups of CSBC, KOH-CSBC and H3PO4-CSBC.

CSBC KOH-CSBC H3PO4-CSBC

Wavenumber
(cm−1)

Assignment
Wavenumber

(cm−1)
Assignment

Wavenumber
(cm−1)

Assignment

3443 –OH 3450 –OH 3425 –OH
2925 aliphatic C 2372 C–O vibrations
1633 C=O and C=C 1637 C=O and C=C 1637 C=O and C=C
1560 C=O stretching 1271 aromatic C–O stretching 1401 –COOH or O–H bending

1075 Si–O stretching
vibrations 1151 phenolic O–H band 1145 amino phosphonic acid

functional group

539 aromatic C–H
stretching 1103 C–H bending of alkenes 998 P–OH bond

1025 C–O–C stretch 495 Si–O–Si
867 Aromatic C–H

676 CH–of alkenes and
alkanes

The functional groups in H3PO4-CSBC included–OH, substances exhibiting C–O vibration,
C=O and C=C, –COOH, substances exhibiting O–H bending deformation, amino phosphonic acid
functional group, P–OH bonded substances and Si–O–Si [20–22]. The modification of H3PO4 caused
the disappearance of aliphatic C and carboxyl anions owing to the high pyrolytic temperature
(700 ◦C). Meanwhile, the observation of C–O, –COOH and O–H bending deformation illustrated the
enhancement of the CSBC’s aromatic structure. Furthermore, the presence of the amino phosphonic acid
functional group and P-OH bonds in H3PO4-CSBC demonstrated that a reaction happened between
H3PO4 and the carbonaceous components in biochar. The introduction of phosphorous-containing
functional groups on biochar may play an important role for MB removal.

The XPS spectra of CSBC, KOH-CSBC and H3PO4-CSBC are shown in Figure 4. C, O, N and P
were detected in all biochars, but C and O were dominant. The relative content of P increased and the
relative content of N decreased after KOH modification. The relative content of C decreased and the
relative content of O and P decreased after H3PO4 modification.
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Figure 4. X-ray photoelectron spectroscopy (XPS) spectra of tested adsorbents.

Results from the XPS peak-differentiating analysis for CSBC, KOH-CSBC and H3PO4-CSBC
are displayed in Table 3. The C-1s XPS spectra of biochar exhibited three peaks at 284.77, 285.58
and 288.34 eV, corresponding to the carbon-based functional groups C–C/C–H, C–O and O=C–O,
respectively [32–34]. The carbon functional groups in CSBC included C–C/C–H, C–O and O=C–O.
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The carbon-based functional groups in KOH-CSBC and H3PO4-CSBC included C–C/C–H and C–O.
The O=C–O functional group could not be detected in either KOH-CSBC or H3PO4-CSBC due to
the thermal decomposition of carbonaceous components. The relative content of C-C/C-H decreased
and the relative content of C-O increased in both KOH-CSBC and H3PO4-CSBC on account of the
introduction of the activating agents.

Table 3. Functional groups and peak fitting of tested adsorbents based on XPS studies.

Functional Groups CSBC KOH-CSBC H3PO4-CSBC

C

C–C/C–H 284.77 a 284.78 284.78
72.55% b 66.57% 68.70%

C–O
285.58 285.74 286.07
24.23% 33.43% 31.30%

O=C–O
288.34
3.22%

O

C–O
531.73 532.19 531.23 (C=O/O=P)
58.23% 61.00% 15.77%

C=O–OH
533.12 533.88 533.10
41.77% 39.00% 30.19%

O–C/COH/C–O–C/P-O 532.91
54.04%

N
Pyrimidine nitrogen 398.72 398.41 398.99

33.39% 6.27% 25.83%
Pyrrole nitrogen/
pyridine nitrogen

400.57 400.19 401.16
66.61% 93.73% 74.17%

P

C–PO3/C2–PO2
133.38
41.90%

C–O–PO3
134.22 134.23 134.33
58.10% 65.48% 88.94%

P2O5
135.33 136.60
34.52% 11.06%

a Binding energy, eV; b The relative percentage of functional groups, %.

The O-1s XPS spectra of pristine biochar exhibited three peaks at 531.73, 533.12 and
532.91 eV, corresponding to C–O, C=O–OH and C=O/O=P/O–C/COH/C–O-C/P–O, respectively [35,36].
The oxygen-based functional groups included C–O and C=O–OH in CSBC. The main
oxygen-based functional groups were C–O and C=O–OH in KOH-CSBC. The group C=O/O=P
O–C/C–OH/C–O–C/P–O was observed in biochar after H3PO4 modification. Thus, H3PO4 modification
obviously affected the types and relative content of oxygen-containing groups, indicating that this
change could influence the removal of MB from solution.

The N-1s XPS spectra of biochar exhibited two peaks at 398.72 eV and 400.57 eV, corresponding
to pyrimidine and pyridine/pyrrole, respectively [37]. The main nitrogen-containing groups were
pyrimidine and pyridine/pyrrole in CSBC. The main group was pyridine/pyrrole in KOH-CSBC.
The relative content of pyrimidine decreased after KOH modification. The relative content of
pyridine/pyrrole increased slightly after H3PO4 modification.

The P-2p XPS spectra of biochar exhibited three peaks at 133.38 eV, 134.22 eV and 135.33 eV
corresponding to C-PO3/C2-PO2, C-O-PO3 and P2O5, respectively [38–41]. The phosphorous-based
functional groups were C–PO3/C2–PO2 and C–O–PO3 in CSBC. After KOH modification, C–O–PO3

and P2O5 were the main phosphorus-containing groups in KOH-CSBC. Meanwhile, C–O–PO3 was the
dominant phosphorous-containing group in H3PO4-CSBC. P2O5 also was found in H3PO4-CSBC. The
XPS analysis confirmed that H3PO4 reacted with the carbonaceous components in biochar and that
H3PO4 itself occurred in thermal decomposition. H3PO4 modification enriched the functional groups
in biochar, indicating that more binding sites would be available to remove MB from solution.
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3.2. Effect of Solid-to-Liquid Ratio and Initial pHon MB Removal

The effect of solid-to-liquid ratio on MB removal by CSBC, KOH-CSBC and H3PO4-CSBC is
shown in Figure 5a. When the solid-to-liquid ratio increased from 0.5 g L−1 to 4 g L−1, the efficiency
of removing MB by CSBC, KOH-CSBC and H3PO4-CSBC increased from 13% to 59%, from 99.6%
to 100%, and from 93% to 100%, respectively. Higher solid–liquid ratio means a larger amount of
adsorbent and a larger number of binding sites for the removal of MB. Compared with pristine biochar
(CSBC), the biochar modified by KOH and H3PO4 significantly increased the removal of MB at any
given solid-to-liquid ratio. Thus, the modification of biochar using these two activation agents was
effective. The efficiency of removing MB by KOH-CSBC and H3PO4-CSBC was nearly 100% when the
solid-to-liquid ratio was equivalent to 1.0 g L−1.

 
Figure 5. Effect of (a) Solid to Liquid ratio and (b) pH on methylene blue (MB) removal.

The effect of initial pH on MB removal by CSBC, KOH-CSBC and H3PO4-CSBC is shown in
Figure 5b. The efficiency of removing MB by CSBC, KOH-CSBC and H3PO4-CSBC was 41%, 87% and
86% at pH 11.0, respectively. However, the maximum MB removal efficiency achieved by KOH-CSBC
was nearly 100% at pH 5.0.

As pH increased, the efficiency of removing MB by CSBC first increased and then tended to
stabilize. The removal of MB by CSBC was more favorable under alkaline conditions because MB is
a cationic dye. The removal of MB by KOH-CSBC as pH increased first increased and then slightly
decreased. The overall removal rate was more than 85% at pH 3.0–11.0. The reduced MB removal rate of
KOH-CSBC at higher pH (7.0–11.0) may be related to the loss of binding sites under alkaline conditions.
The efficiency of removing MB by H3PO4-CSBC at pH first increased, then slightly decreased and
finally exhibited a slight increase. These changes in removal efficiency may have been caused by the
protonation or deprotonation of phosphorus-containing groups in H3PO4-CSBC at different pH [42].

3.3. Adsorption Kinetics of MB on Biochars

The adsorption kinetics of MB and theoretical fitted curves for CSBC, KOH-CSBC and H3PO4-CSBC
are presented in Figure 6. As reaction time increased, the amount of MB adsorbed on CSBC, KOH-CSBC
and H3PO4-CSBC first increased quickly and then tended to stabilize. Thus, the adsorption process
could be divided into a fast stage and a slow stage. In the initial phase of adsorption (fast stage), the
MB molecules rapidly occupied the vacant sites on the surface of biochar. After 30 min (i.e., the end of
the fast stage and beginning of the slow stage), the decreased number of vacant adsorption sites on
the surface of biochar led to the saturation of adsorption capacity. The adsorption process gradually
reached equilibrium after approximately 60 min.
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Figure 6. Adsorption kinetics and theoretical fitting curves of MB on tested adsorbents.

The amount of MB adsorbed from the more highly concentrated solution by biochars was larger
than that adsorbed from the less highly concentrated solution. When the concentration of MB increased
from 50 mg L−1 to 100 mg L−1, the amount of MB adsorbed on CSBC increased from 25.0 mg g−1 to
28.8 mgg−1. Likewise, when the concentration of MB increased from 100 mg L−1 to 200 mg L−1, the
amount of MB adsorbed on KOH-CSBC and H3PO4-CSBC increased from 199.8 to 372.3 mg g−1, and
from 91 to 105 mg g−1, respectively. A higher initial concentration of MB can provide a higher driving
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force to overcome the mass transfer resistance of dye molecules between the solid phase and the liquid
phase, resulting in more contact between dye molecules and the active sites on an adsorbent [43,44].
This phenomenon likely explains the data shown in Figure 6.

The parameters used to model the adsorption kinetics of MB on CSBC, KOH-CSBC and
H3PO4-CSBC are shown in Table 4. Compared with predictions using the pseudo-first-order model, the
pseudo-second-order model provided a better description of the MB adsorption process, suggesting
the adsorption of MB molecules on biochars contained multiple steps (including external liquid film
diffusion, surface adsorption and particle diffusion) [45]. Furthermore, chemical interaction played an
important role during the MB adsorption process [46].

Table 4. Pseudo-first-order and pseudo-second-order kinetic models adsorption parameters.

Samples
Pseudo-First-Order Pseudo-Second-Order

k1 (min−1) qe (mg g−1) R2 k2 (g mg−1·min−1) qe (mg g−1) R2

CSBC-50 0.21345 20.32061 0.83583 0.01439 21.47248 0.90152
CSBC-100 0.29512 28.16607 0.96912 0.02148 29.00599 0.98949
KOH-CSBC-100 0.22694 195.77074 0.99472 0.00238 201.40582 0.99655
KOH-CSBC-200 0.14885 343.79494 0.91663 6.55037 × 10−4 361.7548 0.97949
H3PO4-CSBC-100 0.06862 81.7322 0.89829 0.00112 87.36304 0.95485
H3PO4-CSBC-200 0.14954 87.97926 0.76541 0.00273 92.28821 0.84763

3.4. Adsorption Isotherms

The adsorption isotherms and fitted prediction curves describing adsorption of MB on CSBC,
KOH-CSBC and H3PO4-CSBC are displayed in Figure 7. As the MB concentration increased, the
amount of MB adsorbed on CSBC, KOH-CSBC and H3PO4-CSBC first increased and then tended to
stabilize. A higher initial MB concentration resulted in higher adsorption, which followed the order
KOH-CSBC>H3PO4-CSBC>CSBC.

Figure 7. Cont.
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Figure 7. Adsorptionisotherm and fitting curves of MB on tested adsorbents.

The parameters used to model the adsorption isotherm of MB on CSBC, KOH-CSBC, H3PO4-CSBC
are shown in Table 5. Both the Langmuir and Freundlich models described the adsorption process
of MB on biochars well, as indicated by correlation coefficients that exceeded 0.85. The Langmuir
isotherm better fit the adsorption process of MB on CSBC and KOH-CSBC (with correlation coefficients
in the range 0.87–0.95). Technically, the Freundlich model described the adsorption process of MB
on H3PO4-CSBC better, exhibiting a correlation coefficient of 0.99 compared to that (0.97) for the
Langmuir model.

Table 5. Fitting parameters of adsorption isotherms.

Samples
Langmuir Freundlich

qm(mg·g−1) KL (L·mg−1) R2 KF 1/n R2

CSBC 45.58 0.04415 0.9535 4.232 0.5245 0.9145
KOH-CSBC 406.43 7.553 0.9084 283.21 0.1321 0.8665
H3PO4-CSBC 234.75 0.1267 0.9746 86.67 0.2058 0.9955

Based on the fitted Langmuir model, the maximum adsorption capacity of CSBC, KOH-CSBC and
H3PO4-CSBC for MB was 45.58 mg·g−1, 406.43 mg·g−1 and 234.75 mg g−1, respectively. The adsorption
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capacities of KOH-CSBC and H3PO4-CSBC were 9.4 and 5.3 times higher than CSBC, respectively.
Thus, KOH and H3PO4 modification significantly enhanced the adsorption capacity of biochar for MB,
with KOH modification producing nearly twice the increase achieved by H3PO4.

The parameter KL (Equation (4)) reflected the adsorption affinity between biochar and MB
molecules [47]. In this study, the KL associated with KOH-CSBC was larger than that for both
H3PO4-CSBC and CSBC, indicating that KOH-CSBC had a higher affinity for MB than CSBC and
H3PO4-CSBC. Similarly, the parameter 1/n derived for the Freundlich model reflected the difficulty of
MB adsorption. Generally, when 1/n is less than 0.5, an adsorbent is easily adsorbed, and when 1/n
exceeds 2, the adsorbent is hardly adsorbed [48]. In this research, the value of 1/n for KOH-CSBC and
H3PO4-CSBC was less than 0.5, suggesting the adsorption of MB proceeded easily. Meanwhile, the
value of 1/n for CSCB was 0.52448, illustrating that adsorption MB could occur, albeit with slightly
more difficulty than for KOH-CSBC and H3PO4-CSBC.

3.5. Discussion of Activation Mechanism and Adsorption Mechanism

3.5.1. Activation Mechanism

In this study, modification (activation) of corn stalk biochar using KOH and H3PO4 greatly
improved the removal of MB from solution.

KOH activation was an effective method through which to create a porous structure in biochar.
Previous studies [49–53] found that the activation mechanism of KOH is as follows. First, KOH melted
at 360 ◦C and then was involved in a reduction reaction with carbon precursors that formed K2CO3

at nearly 400 ◦C. KOH was gradually consumed at 600 ◦C and converted entirely to K2CO3. K2CO3

decomposed into CO2 and K2O when the temperature exceeded 700 ◦C and disappeared completely at
800◦C. Additionally, the generated CO2 reacted with other sources of C to form CO at high temperature.
Meanwhile, potassium compounds were reduced to metallic potassium by carbon at high temperatures.
When the alkaline metal became a highly diffused vapor, it was easily inserted into the carbon lattice
and thus generated a more well-developed porous structure in the biochar. The reaction process is
described in Equations (6)–(10).

The influence of KOH activation on CSBC was easily observed through surface area analysis
and by SEM, XRD, FTIR and XPS characterization. Based on surface area measurements and SEM
images, the biochar exhibited a larger surface area and better developed pore structure after KOH
modification. XRD analysis detected the existence of K and K2O. FTIR and XPS analysis confirmed
that biochar had a more developed aromatic structure after KOH high-temperature activation. The
structural characteristic of KOH-CSCB resulted in a high ability to remove MB from aqueous solution.

6KOH + 2C→2K + 2H2 + 2K2CO3 (6)

K2CO3→K2O + CO2 (7)

CO2 + C→2CO (8)

K2CO3 + C→2K + 3CO (9)

K2O + C→2K + CO (10)

The function of H3PO4 is to first act as an acid catalyst to promote bond-cracking reactions. A chain
structure is formed by the reaction of ring and condensation in biochar. Second, the reaction with organic
components forms phosphate and polyphosphate bridged and crosslinked biopolymer fragments,
which promote the formation of pores [41]. As reported in the literature [41,54], H3PO4 activation
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proceeded as follows. First, in the pyrolysis process, the oxygen-containing functional group of biochar
reacted with H3PO4 to generate water vapor, which further reacted with the carbonaceous components
in biochar to form the inner pore structure, as indicated in the following reaction (Equation (11)).

4H3PO4 + 10C→P4 + 10CO + 6H2O (11)

Second, the catalysis of H3PO4 led to the oxidation and fixation of oxygen-containing functional
groups on the pore walls, which led to the reduction of pore size or the transformation of mesopores
into micropores. Third, H3PO4 promoted the formation of –COOH, –OH, C=C and an aromatic
structure, and enhanced the formation of P-O or P-OOH functional groups.

H3PO4 modification of biochar promoted the formation of phosphorus-containing functional
groups, –COOH, –OH and a highly aromatic structure, as confirmed by FTIR and XPS analysis.
However, surface area and pore analyses showed that H3PO4 modification did not facilitate the
formation of a porous structure of biochar, but instead reduced the specific surface area and pore
volume. According to SEM images, the pore structure of biochar was agglomerated and fused, an effect
that may be related to the material composition, pyrolysis preparation conditions, or the activation
process of H3PO4. Mandal et al. [55] showed that the H3PO4 treatment of rice straw biochar reduced
both surface area and pore volume, and concluded these changes might be due to the increase in
functional groups inside the pores following H3PO4 treatment. Consequently, the improvement
of MB adsorption capacity by H3PO4 treatment of CSBC was independent of the specific surface
area and pore structure; rather, other mechanisms determined the high MB adsorption capacity
of H3PO4-CSBC. FTIR and XPS analyses showed that H3PO4 modification obviously affected the
oxygen- and phosphorus-containing functional groups of biochar. Torrellas et al. also found that more
functional groups existed on the activated carbon after H3PO4 activation [56]. The participation of
these functional groups was an important reason for the high MB adsorption capacity of H3PO4-CSBC.

3.5.2. Removal Mechanism of Methylene Blue by Biochar

The main mechanisms for MB removal by adsorbent or biochar involve physical interaction, ion
exchange, electrostatic interaction, π–π stacking, hydrogen bonding and pore filling [48,57–65]. The
dominant mechanisms depend on the physicochemical properties of biochar and specific environmental
conditions in the solution.

In this study, corn stalk biochar was prepared at 500 ◦C. Cellulose and hemicellulose in the corn
stalk gradually decomposed thermally at temperatures less than 500 ◦C. Meanwhile, the carbohydrate,
protein and fat compounds also gradually decomposed. Then, the specific surface area became larger
and a pore structure gradually formed, both of which would play an important role in MB removal.
Furthermore, the aromatic structure of the biochar was gradually improved. The aromatic structure of
the biochar could combine with the benzene ring in MB molecules via π–π stacking. CSBC contained
abundant functional groups among which –OH and –COOH could bind with nitrogen molecules
in MB through hydrogen bonding. The pH experiment indicated that electrostatic interaction also
could affect the combination between CSBC and MB. Therefore, the adsorption mechanism between
CSBC and MB was the result of electrostatic interaction, hydrogen bonding, π–π stacking and physical
interaction (surface contact and pore diffusion).

After KOH modification, the surface area and pore volume of biochar significantly increased. The
capacity of KOH-CSBC to absorb MB was greatly increased compared to that of pristine CSBC. Thus, the
specific surface area and pore volume of KOH-CSBC played a key role in MB adsorption. The variety
of functional groups in KOH-CSBC was limited, especially for oxygen-containing groups. Organic
groups in KOH-CSBC disappeared at the pyrolytic temperature of 700 ◦C, resulting in weak hydrogen
bonds and weak electrostatic interaction between KOH-CSBC and MB. However, the aromatic structure
and the degree of graphitization of KOH-CSBC became stronger compared to pristine CSBC, and the
contribution of π–π stacking to MB removal was relatively more important. Therefore, the main MB
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removal mechanism of KOH-CSBC involved π–π stacking and physical interaction (surface area and
pore diffusion).

After H3PO4 modification, the surface area and pore volume of biochar decreased relative to that
of pristine CSBC. However, the capacity of H3PO4-CSBC to adsorb MB apparently increased, indicating
that surface area and pore volume did not play a major role in MB removal by this biochar. FITR
analysis showed that H3PO4-CSBC contained abundant functional groups, including -OH, -COOH,
amino phosphonic acid functional group, and P-OH bond. Hydrogen bonding and electrostatic
interaction were critical for MB removal by H3PO4-CSBC. Meanwhile, the aromatic structure and the
graphitization degree of biochar were enhanced after H3PO4 modification. Thus, the main MB removal
mechanism of H3PO4-CSBC included electrostatic interaction, hydrogen bonding, and π–π stacking.

The MB removal mechanisms by CSBC, KOH-CSBC and H3PO4-CSBC are summarized in Figure 8.

Figure 8. Schematic diagram of removal mechanism between CSBC, KOH-CSBC, H3PO4-CSBC and MB.

4. Conclusions

Biochar was prepared from corn stalk and was modified using KOH and H3PO4. KOH modification
of corn stalk biochar significantly increases the surface area and pore volume of the biochar. H3PO4

modification enriches the functional groups of biochar. As a result of both types of biochar modification,
the maximum adsorption capacity for MB increases approximately 5–10 times (in this study from
43.14 mg g−1 for CSBC to 406.43 mg g−1 for KOH-CSBC and to 230.39 mg g−1 for H3PO4-CSBC). The
modification of corn stalk biochar by KOH and H3PO4 also affects the MB adsorption mechanism.
Therefore, corn stalk is an ideal natural raw material for preparation of biochar, and biochar production
represents an effective way to utilize corn residues. Corn stalk biochar, especially if modified by KOH
or to a lesser extent by H3PO4, can be applied to remove MB-based dye from wastewater.
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Abstract: Contaminants, organic or inorganic, represent a threat for the environment and human
health and in recent years their presence and persistence has increased rapidly. For this reason, several
technologies including bioremediation in combination with nanotechnology have been explored to
identify more systemic approaches for their removal from environmental matrices. Understanding the
interaction between the contaminant, the microorganism, and the nanomaterials (NMs) is of crucial
importance since positive and negative effects may be produced. For example, some nanomaterials
are stimulants for microorganisms, while others are toxic. Thus, proper selection is of paramount
importance. The main objective of this review was to analyze the principles of bioremediation assisted
by nanomaterials, nanoparticles (NPs) included, and their interaction with environmental matrices.
It also analyzed the response of living organisms employed to remediate the contaminants in the
presence of nanomaterials. Besides, we discuss the international regulatory frame applicable to these
technologies and how they might contribute to sustainability.

Keywords: contaminants; nanomaterial; bioremediation; sustainability

1. Introduction

The industrial revolution has promoted economic prosperity, along with releasing a variety of
pollutants into the environment [1]. During recent years, new technologies have been developed to
increase the efficiency of the removal of pollutants, among them, bioremediation techniques have been
proven to be a new and effective method for cleaning up pollutants in a variety of environments and
a quite flexible management option to be implemented, also at a large scale [2].

Stimulation of the growth of indigenous microorganisms (biostimulation) or inoculation of
non-native oil-degrading bacteria (bioaugmentation) were recognized as effective measures for
accelerating the detoxification of a polluted site with a minimal impact on the ecological system [3].
Although bioremediation provides an excellent and flexible recovery strategy for different pollutants,
it is poorly effective when dealing with high concentrations of the pollutants and xenobiotics or
refractory compounds, causing unsustainable treatment efficiencies and recovery time [4].

In this context, the development of nanotechnology and the integration of the use of nanomaterials
—defined as the particles with sizes of 100 nm or less in at least one dimension—and particularly
nanoparticles —particles with two or three dimensions greater than 1 nm—represents an innovative
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strategy to move the bioremediation forward beyond its limitations. This combined approach can
include a wider range of potential applications with reduced costs and minimum negative impacts on
the environment [5] for treating pollutants in groundwater and wastewater [6], sediments polluted
with heavy metals and hydrocarbons [7], and either organic or inorganic compounds in soil [8].

Besides their positive effect on the removal of these contaminants, NMs could interact with biotic
and abiotic elements, both in positive and negative ways; this is why many efforts have been conducted
in order to evaluate the synergistic effect of the combined use of NMs and bioremediation practices
and elucidate their physical, chemical and biological interactions either in soil or water [9].

So far, there are no consistent conclusions about whether the combined technologies are beneficial
to improve pollutant removal efficiency and the combination of bioremediation technologies and
nanomaterials to remove pollutants has not been widely reported, hence the main objective of this
review is to examine bioremediation processes where nanomaterials are applied in order to enhance
the removal of contaminants and describe their interactions with biotic and abiotic components during
remediation processes and finally, some considerations regarding the international regulatory frame
and world markets are mentioned.

2. Principles of Nanobioremediation Technologies

Every year around 10 million tons of toxic chemical compounds are released by industry [10–13].
After release, these compounds may further react to form chemicals, for instance, polychlorinated
dibenzo-p-dioxins or polychlorinated dibenzofurans, which are by-products of certain chemical
processes involving chlorine.

There is high variability in the physical and chemical properties of these chemical compounds,
and their cytotoxicity and multiple interactions with biotic and abiotic environmental factors,
i.e., microorganisms, plants, animals, water, minerals, organic matter, wind, etc., have complicated
the successful implementation of remediation technologies [14–16]. The combined use of NMs and
NPs with biotechnologies could offer a step-change in remediation capabilities, avoiding process
intermediates, and increasing the speed of degradation [17,18].

Besides physical and chemical technologies to remediate polluted sites, biological treatments have
become relevant due to their low cost and wide range of applications [19]. Bioremediation includes
biosorption, bioaccumulation, biotransformation, and biological stabilization, among others [20,21].
These technologies use plants and some microorganisms including bacteria and fungus, as well as
combinations of them.

During recent years, NMs have been integrated with biological processes to accelerate and
promote the removal of toxic compounds from the environment [22]. Cecchin et al. [23] use the
term nanobioremediation for processes where NPs and microorganisms or plants are used to remove
contaminants. Moreover, El-Ramady et al. [24] named these types of practices according to the nature
of the organism utilized for the remediation of contaminants. Thus, they were more specific and named
the techniques as phyto-nanoremediation, microbial nanoremediation, and zoo-nanoremediation.

In any case, since bioremediation uses living organisms to remediate contaminated environments,
a proper interaction between nanoparticles (NPs) and living organisms is essential. In this
context, some aspects are of paramount importance. For example, it is known that nanotoxicity,
NPs size, and nanonutrition may affect the living organisms and this in turn may affect the whole
bioremediation process.

Tan et al. [25] reported that the physical and chemical interactions between NMs, biota and
contaminants depend on a variety of parameters including NMs size and shape, surface coating, chemical
nature of the NMs and contaminant, type of organism, media, pH, and temperature, among others; these
interactions are represented in Figure 1. Given the number of potential parameters influencing such
interactions, these phenomena become complex. For example, pH media as well as temperature play
an essential role in the proper development of living organisms. These parameters in turn, may influence
the stability of the NMs as well as that of the contaminant. For example, Wang et al. [26] proved that Au
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NPs were stable in MilliO water and a buffer; however, this stability was lost at pHs of 4, 7, 8 and 10. In
addition, Tan et al. [27] proved that different synthetic methods influenced the thermal stability of Cu NPs.
To the best of our knowledge, no comprehensive studies exist in the literature regarding the influence of
the parameters shown above on the nanobioremediation of contaminants. Proper experimental designs
should be applied to determine, for example, to what extent temperature and pH affect the synergistic
effect of NMs and living organisms for the remediation of contaminants.

Figure 1. Different parameters influence the interaction of nanomaterials (NMs) and living organisms
with the contaminants. Two-way arrows represent interactions.

Figure 2 displays some of the expected effects of the physicochemical interactions of NMs,
contaminants, and biota. Once NPs and biota interact, different events may occur including dissolution,
absorption, and biotransformation [28]. All events previously mentioned may participate in the
degradation of the contaminants. In this case, metabolism is also involved. NPs may be either toxic or
stimulant to living organisms and this results in a biocidal effect or a biostimulant effect, which may
affect the performance of the organisms involved in the remediation process. Thus, the advantage of
using both, NPs and living organisms, is the potential synergistic effect.

Figure 2. Different phenomena occur as a result of the physical, chemical, and biochemical interactions
of NMs, living organisms, and contaminants during nanobioremediation processes.
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In nanobioremediation, sorption processes are essential. Sorption involves adsorption and
absorption. In the first one, the interaction between the pollutant and the sorbent occurs at a surface
level. Conversely, in the second one, the pollutant penetrates deeper layers of the sorbent to form
a solution [29]. Moreover, a further distinction can be made. Chemisorption and physisorption are
distinguished because, in the first one, a chemical reaction occurs, while in the second case only
physical forces are involved. Whatever the case, in sorption, the contaminants may be immobilized,
sequestered, and concentrated [29].

A significant amount of research has been performed to understand the nature of the adsorption
processes using NMs [30–32]. Thus, mechanistic, thermodynamic, and kinetic studies are essential
for describing the behavior of the nanomaterial when this material enters into contact with the
contaminants. Some authors explicate several models that describe the behavior of including the
biological matrix in remediation processes, i.e., the Freundlich and Temkin Isotherms, and the Langmuir
and Dubinin–Radushkevich models [33–36].

Depending on the nature of the NMs, contaminants may be degraded by photocatalytic processes.
The resultant products may be further biotransformed by the biotic systems and reduce the pollutant
concentration in the media. In addition, some enzymes produced by living organisms may degrade
a variety of contaminants [37].

Due to their size, NPs may even enter contaminated zones where other entities are not able to do
so. Therefore, nanobioremediation technologies may extend their application fields [38]. This aspect
represents an advantage over other remediation techniques. However, other considerations are
necessary, for example, the standardization of protocols to evaluate the toxicity of nanoparticles and
nanomaterials in soil and water, elucidation of their interactions with biotic and abiotic elements,
and the applicable regulatory frame where these materials could be applied [39]. In conclusion,
the selection of the NPs and the living organism represents a challenge and is an area of opportunity for
further research in terms of the medium and long-term effects of the synergistic use of nanomaterials
and biotechnologies, the collateral effects of NMs and NPs on microorganisms, and the trophic transfer
of NMs in the food chain and the effects on human health.

3. Nanomaterials and Nanoparticles Used in Bioremediation

As it was mentioned, several NMs have been successfully used for the bioremediation of
contaminated systems and to remove several contaminants under different conditions. Herein, we
present a summary of the types of NMs with the best efficiencies during the degradation of pollutants
(Table 1); in the table are also mentioned the organisms or biological systems used in the experiments.
The removal performance of these NMs was measured under laboratory conditions due to the current
restrictions for applying these treatments in the field; some remarks regarding the regulatory frame for
their field application are done in Section 6.
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Different NMs have been tested to determine their potential in reducing contaminants with the
aid of living organisms. Further criteria may be applied for more specificity such as (a) nano iron
and its derivatives; (b) dendrimers; (c) carbon-based NMs; (d) single-enzyme NPs; (e) engineered
polymeric; (f) biogenic uraninite; and (g) metals other than iron [5]. The selection of the type of NM
would depend upon the nature of the contaminant. For example, magnetite, a nano iron material is
used to separate heavy metals in soils or water through its magnetic properties. Besides, carbon-based
NMs are used to trap organic pollutants or heavy metals from water, soil or air.

As previously mentioned, the type of organism is also important. Plants display certain advantages
over microbial organisms. For example, they produce several molecules that are involved in the
transformation of pollutants. These include glutathione [47], flavonoids [48], reactive oxygen species [49]
and bioactive molecules that act as a response under stress [50]. Besides, plants are easier to cultivate and
handle than other organisms that need continuous nutrient supply as well as more controlled conditions.

It is important to take into consideration that NPs not only aid in the remediation process.
They also serve for the detection of contaminants and, in consequence, for pollution prevention.

4. Biological Response during the Combined Application of Nanomaterials and Bioremediation

Bioremediation studies have demonstrated that bacteria and plants are capable of immobilizing
metals and transforming both organic and inorganic contaminants. During recent years, there have
been promising positive results of the combined use of NMs and bioremediation technologies to
eliminate contaminants from the environment.

Table 2 shows relevant experiments where this novel approach was used.

Table 2. Successful cases of bioremediation based on nanobiotechnologies.

Treatment Brief Description of the Achievement Reference

Hybrid treatment method using
nZVI-Sphingomonas sp. PH-07

Effective for degradation of PBDEs through
reductive debromination followed by

biological oxidation. This method may lead
to a remediation strategy for highly

halogenated environmental pollutants.

[41]

Rhodococcus rhodochrous DSM6263
and Fe3O4 NP

Given the much easier separation by
a magnetic field and high degradation

efficiency, this study provided a promising
technique for improving biocatalysts for

chlorophenols in wastewater.

[51]

nZVI, and nZVI combination with
a second metal or microorganisms

There is a high remediation efficiency
(78–99%) of PCB with rapid reaction time. [52]

Bimetallic iron-based NPs
and tobacco plants.

27% of the total hexabromocyclododecane
(HBCD) was removed from polluted soil. [53]

Polyvinylpyrrolidone (PVP)-coated iron
oxide NPs and Halomonas sp.

The combined approach improved metal
removal and shortened metal remediation
times (approx. 100% removal of Pb after

24 h, of Cd after 48 h).

[54]

It is important to mention that living organisms respond in a different way, according to the
environmental conditions, type of contaminant and NM used. The application of NMs in bioremediation
processes can be executed simultaneously or in a separated way, for instance, Kim et al. [41] evaluated the
effect of a sequential nano-bio treatment using nZVI and diphenyl ether in combinations with bacteria
Sphingomonas sp. PH-07 in the degradation of polybrominated diphenyl ethers (PBDEs). They found
that PH-07 was able to grow in nZVI concentrations up to a high concentration of 5 g L−1 and participate
in the biodegradation of PBDEs and other prospective metabolites. Moreover, the combination of
nZVI nanomaterials with electrokinetic remediation, chemical oxidation, and bioremediation has
been helpful in the remediation of heavily polluted sites [55]. They discussed a two-step treatment
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consisting of nZVI-aided dechlorination followed by biosurfactant-enhanced soil washing technology
to remove polychlorinated biphenyls (PCBs) from soil contaminated by a transformer oil. It was found
that besides direct dechlorination, nZVI greatly enhanced the soil washing efficiency by reducing the
interfacial tension between the oil and soil phases, and 90% of PCBs were removed. The combination
of surfactants, electrokinetic treatments, or nZVI has been used as pretreatment in the bioremediation
of nitrate anions, heavy metals, pesticides, polychlorinated biphenyls (PCBs), chlorinated volatile
organic compounds (cVOCs), and radionuclides [56,57]. However, natural organic matter (NOM) such
as fulvic and humic acids affect nZVI reactivity towards pollutants because of the competition between
NOM and pollutants for the surface reactive sites on nZVI where the reaction occurs.

Other toxic compounds, such as polychlorinated byphenils (PCBs), represent a global
environmental problem because of their persistence, long-range atmospheric transport, difficult
and slow degradation, and bioaccumulation. NPs catalyzed Fenton or Fenton-like, and persulfate
activation can provide some useful technologies for the nanobioremediation of PCB-polluted soils.
Le et al. [58] developed a nano/bio treatment for the dehalogenation of Aroclor 1248 using the bimetallic
nanoparticles Pd/nFe and Burkholderia xenovorans LB400. The dehalogenation efficiencies of tri-,
tetra-, penta-, and hexachlorinated biphenyls were 99%, 92%, 84%, and 28%, respectively. Therefore,
the toxicity of the residual PCBs in terms of toxic equivalent values decreased from 33.8 × 10−5 to 9.5 ×
10−5 μg/g after the integrated remediation system. These degradation rates are similar to those reported
by other authors [52,55]. However, it has been stated that NMs do not provide any benefit in the context
of bioaugmentation, since they inhibit the microbial population in polluted environments [59,60]. It
has to be stated that NMs could decrease the diversity and abundance of microbial communities in soil
or water but, after some days, these characteristics are recovered. Besides, NMs could also reduce the
concentration of enzymes involved in ecological processes, but these increased again after the first
days of the experiments. It suggests that NMs have a priming effect at the onset of the studies, but the
ecological balance comes back again after some days due to their resilience.

Nevertheless, new evidences are emerging using carbon nanotubes (CNT) and Arthrobacter sp. to
degrade PCBs. Pereira et al. [61] conducted a natural dye decolorisation, using CNT as redox mediators
on anaerobic dye reduction. It was demonstrated that the batch reactor with CNT had the highest
biodegradation rate as compared to other carbon nanomaterials.

However, it has been stated that high CNT concentrations reduced the biodegradation rate
by inhibiting bacterial growth and microbial activity, while low CNT concentrations increased
the biodegradation rate by stimulating bacterial growth and the overexpression of degradation
genes [62]. The use of NM could mitigate the limitations regarding immobilization and entrapment of
microorganisms during bioaugmentation strategies because of the large surface area [59]. Hou et al. [51]
tested the biodegradation of chlorophenol in a 100-mL batch reactor using Rhodococcus rhodochrous
immobilized in magnetic NPs. The cells were immobilized by using k-carrageenan and Fe3O4 NPs and
it was proved that they were able to degrade 2-chlorophenol, 4-chlorophenol, 2,3-dichlorophenol and
their mixture; these cells performed 30% higher removal efficiency compared to free cells. Although
the use of NM for bioaugmentation purposes is still in an early stage, the above-reviewed research
mostly based on laboratory scale highlights the potential of nanotechnology for this technique. On the
other hand, it should be noted that most of the NM utilized for enhanced adsorption are metals that
may pose human or environmental health risks in the long run [63].

The combined effect of phyto- and nanoremediation was tested by Le et al. [53] when comparing
the removal efficiency of hexabromocyclododecane in both soil and water. Bimetallic iron-based
nanoparticles were used to evaluate their degradative action on HBCF. The effect on humic acids (HAs)
and tobacco plants was determined as well.

It was observed that the 99% of the total HBCD (15 mM) was transformed by Pd/nFe (1 g/L) within
9 h of treatment; when HAs were added to the aqueous solution, the removal of the contaminant
was increased. In the soil system, the treatments consisted of plant only, plant with HAs, plant with
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NPs and, plant with HAs and NPs, obtaining 13%, 15%, 41% and 27% HBCD removal, respectively,
compared to the HBCD removal in an unplanted soil.

The 221–298 ng/g of HBCD were detected inside the plant after treatment and the authors
concluded that HAs influenced the bioaccumulation in plants; according to Tejeda et al., the HAs
can accelerate the degradation of organic pollutants by increasing their solubility and enhancing
their diffusive mass transfer, promoting their bioavailability to microorganisms. HAs can also act as
an electron transfer mediator in the chemical reduction of organic pollutants [64], therefore the humic
acids would be a good supplement for bioremediation of polluted soils.

In a seminal work, Cao et al. [54] demonstrated that polyvinylpyrrolidone-coated iron oxide NPs
were beneficial for the removal of metals i.e., Cd (II) and Pb (II) by interaction with the Gram-negative
bacteria Halomonas sp. The treatments consisted in a combined approach involving bacteria and NPs,
bacteria only, and NPs only.

The results showed that for the combined approach, 100% of the Cd originally aggregated was
removed after 24 h and the same percentage of Cd was eliminated after 48 h. For the treatments with
Ns only, the removal of 60% and 80% for Cd and Pb, respectively, was observed. When the metal
removal in the presence of Halomonas sp. only was estimated, the removal of Cd increased to 80%,
contrarily to the same treatment for Pb, where the same removal as that for NPs was observed i.e., 80%.

Cd, Pb and Fe (from NPs) were analyzed in the following bacterial components: extra polymeric
substances (EPS), and it was observed that EPS was most important in metal removal, and that there
was a significant promotion of Cd intracellular transportation, but not Pb, by NPs. A reduced Pb
internalization was identified that may have resulted from EPS acting as an uptake barrier coupled
with an effective efflux system of Halomonas sp. as a resistance mechanism. Besides the beneficial
effects of this combined approach, the authors suggested further and more pointed investigation.

Kumari and Singh [22] demonstrated that NMs are useful as facilitators in the bioremediation of
pollutants either by enhancing microbial growth, immobilizing remediating agents or through induced
production of remediating microbial enzymes. In a similar study it was demonstrated that NMs induced
the production of microbial biosurfactants, improving contaminant solubility and thereby generating
a conducive environment for the bioremediation of these compounds [65]. These NMs–biosurfactant
interactions could be used trough biostimulation techniques i.e., nanobiostimulation techniques. It has
to be stated that biostimulation techniques have the potential to efficiently dissipate pollutants from
soil or water under eco-friendly, fast, and inexpensive procedures.

Besides, iron oxide NPs coated with polyvinylpyrrolidone (PVP) were used in the bioremediation
of sediments from a contaminated river using bacteria of the genus Halomonas [66]. They also
demonstrated that PVP was effective in transforming labile Cd and Pb to stable fractions, with the
decrease of the mobility of metals. Besides, urease and catalase activities were enhanced showing
certain degrees of recovery in sediment metabolic functions.

Torres-Martínez et al. [40] explained four steps in the mechanisms of degradation of p-nitrophenol
(pNP) using ZnS nanocrystals in water. The first part is the excitation of the glutathione (GSH)- or
L-cysteine (Cys)-ZnS nanocrystals with bandgap energy irradiation leading to charge separation,
the promotion of electrons into the conduction band, and the formation of positive holes in the valence
band. The second step involves the migration of electron–hole pairs to the surface of the nanocrystals,
which is facilitated by the small particle size. The third step is the formation of highly reactive hydroxyl
radicals in aqueous medium. The fourth and last part is the ring-opening caused by a nonspecific
reaction of the hydroxyl radicals with the double-bond structures of pNP.

Hou et al. [51] described the mechanisms involved in the degradation of chlorophenols in a batch
reactor using R. rhodochrous DSM6263 immobilized in k-carrageenan with magnetic NPs. The first step
was the hydroxylation at the ortho positions of the chlorophenolic rings, which formed chlorocatechols.
DSM6263 strain biodegraded CPs via the constitutively expressed enzymes [51], and degraded aniline
and phenol to catechol via the β-ketoadipate pathway. However, no further metabolization of cis,
cis-muconic acid occurred. It has been proven that different microbial strains can naturally degrade the
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same pollutants through different ways, such as Rhodococcus sp. AN-22 by using the phenol metabolic
pathway, integrated by CatA (catechol 1,2-dioxygenase), CatB (cis, cis-muconate cycloisomerase) and
CatC (muconolactone isomerase) to degrade aniline [67].

Pereira et al. [61] performed experiments where the effect of carbon-based materials (CBM) as
a redox mediator on dye biodegradation was evaluated. CNT were used to evaluate the biodegradation
kinetics of the anaerobic discoloration of different classes of azo dyes including acid (AO10), mordant
(MY10), and reactive (RR120). It is worth mentioning that the anaerobic color removal rate is related to
the number of azo bonds in the dye molecule, while the reduction rates are affected by changes in
electron density in the azo group region. Therefore, the substitution of electron-withdrawing groups
(−SO3H, −SO2NH2) in the para position of the phenyl ring concerning the azo bond, improves the
reduction rate. On the other hand, electron-withdrawing groups (−OH and −NH2) decrease the
electron density close to the azo bond, making possible the reduction process. Besides, hydrogen
bonding has a significant effect on the rate of reduction in the region of the azo bond [68]. Color removal
was associated with the azo bond cleavage. The final products were sulfanilic acid (SA) and
5-aminosalicylic acid (5-ASA), as witnessed by high-performance liquid chromatography (HPLC).
These compounds were biodegraded under aerobic conditions via the enrichment cultures during the
batch experiment [69].

Various types of NPs are being used to increase the microbial degradation of pollutants [22].
However, avoiding the unintentional release of NPs in the environment is very crucial for maintaining
a sustainable ecosystem. Further research on bioaccumulators and toxicokinetics of NP must be
executed to prevent adverse effects on flora and fauna [22].

5. Current and Future Development of Environmental Nanoapplications Based on
Molecular Biotechnology

In addition to the mentioned nanotechnology applications in environmental biotechnology,
innovations may emerge from other fields of nanotechnology that move at a faster pace, for example,
medical nanotechnology.

Nanostructure functionalization with biomolecules is an area worth exploring. This approach
has been tested with state-of-the-art experimental designs inspired by natural molecular phenomena.
For example, in [70] were designed membranes harboring amyloid proteins and activated porous
carbon for heavy-metals removal/recovery. Inspired by the detrimental amyloid protein formation in
neurons, these authors changed the tertiary structure of milk proteins to create amyloid fibrils capable
of capturing different ions by the cysteine moieties. This research highlighted the importance of finding
a cheap source of biomolecules as a key to this type of development. Additionally, natural proteins
display several advantages. For example, they can be produced through well-established recombinant
technologies in a cost-effective manner and can harbor 20 different amino acids that provide a large
combinatorial capacity to interact with other molecules, as well as create new catalytic surfaces and
structures [71].

Biotechnology can also help to provide ecofriendly methodologies for NPs functionalization.
Gao et al. [72] have recently introduced the bacteria Komagataeibacter sucrofermentans in the biological
toolbox to produce novel cellulose-like polymers functionalized with custom moieties. These bacteria
are cultured with traditional bioreactor methodologies and fed with glucose monomers ornamented
with the desired chemical modifications resulting in their biological incorporation in the polymer.
This strategy bypasses the use of complex solvents, stoichiometry, and the production of environmentally
dangerous residues. The optimization of this biosystem by classic and next-generation biotechnological
modifications (mutagenesis, protein engineering or gene editing) holds a great potential to simplify
the synthesis of a large amount of cellulose-based NMs with several applications [73].

Recent developments in the field of RNA-based fungicides indicate that it is a feasible technology
for substituting traditional biochemical fungicides. Double-strand RNAs, designed to hybridize with
vital mRNAs of fungal pathogens, are sprayed on leaves or fruits and induce expression silencing in
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the pathogen [74]. However, the short mean-life of naked RNAs in the environment is an obstacle
to overcome [74]. Traditional clay nanosheets were tested as protectants of double-strand RNA and
probed to enhance the mean-life of the biomolecules and extend the biocidal actions against the fungal
pathogen [75]. Although this technology was created for the protection of aerial plant organs, it has
recently been applied in root protection. Chariou et al. [76] tested several nanoscale encapsulated
architectures that ranged from traditional silica particles to recombinant or plant-produced virus
capsules. The proof-of-concept was carried out with a nematicide and the biologically derived capsules
proved superior in soil penetration and cargo release. These bionanoparticles are biodegradable and
leave behind no organic pollution, truly earning the label of ecofriendly. It is expected that this field
will highly benefit from next-generation NPs biofunctionalization.

The 3D construction of DNA structures through DNA hybridization constitutes a frontier research
area largely unexplored in environmental biotechnology. The relatively simple, yet malleable, rules of
recognition between nucleotides of different strands of DNA can be applied to build several geometric
arrangements (“molecular origami”), from simple crossover tiles up to polyhedral meshes [77]. These
architectures provide a new toolbox for functionalization, as illustrated by the work of DNA nanorobots
that can be loaded with intractable molecules (other DNAs/RNAs or proteins) that serve as cargo,
fasteners or springs. In [78] is described the design of DNA sheets that interact with the protein
thrombin that becomes compartmentalized when other DNA molecules seal the nanosheet, acting as
fasteners. The DNA origami, now turned into a nanotube, will only open when a key is found, in this
case a tumor-produced protein named nucleolin, releasing the thrombin cargo and inducing coagulation
and necrosis of the tumor. This development demonstrated the programmable and complex mechanics
that biomolecular-based biorobots could achieve. Although this is a development aimed at biomedicine,
it provides an outstanding example of biomolecular interactions that can be extended to environmental
applications like next-generation pesticides or the elimination of antibiotic-resistant super-bacteria.

A concern of DNA origami arrangements is cost. Recently, in [77] were reviewed biotechnological
options to reach the economic feasibility of DNA/RNA production such as chip synthesis, recombinant
bacteria and naturally occurring bacteria able to export RNAs.

Another example of sophisticated codification of nanotechnology to obtain remote information
is the work of Koman et al. [79], where a decision diagram was chemically coded with inorganic
molecules to detect and irreversibly inform the presence of analytes in the air, such as soot, ammonia
and triethylamine. Other inorganic sensors have been developed to trace abiotic particles, like
nanoplastics [80]; this concept can be extended to incorporate biomolecules to follow the path of
cells in wastewater facilities, or immunedetectable pollutants, tasks currently performed by costly
and complicated assays like DNA sequencing and HPLC. Inorganic sensors can also code their
self-precipitation through photoinduction and ion changes in their environment [81]; in biology,
several proteins have more versatile photoresponsive characteristics that provide materials with novel
capabilities, for example, CarH bacterial transcription factor [82] or plant/fungal LOV domains [83].

Molecular biotechnology has also been proposed for large-scale applications such as water
desalination. More than a decade ago, Kumar et al. [84] tested the incorporation of the bacterial protein
aquaporin Z into polymeric membranes and demonstrated that it could exclude salt and yield purified
water. With modern protein modeling algorithms and molecular biology techniques, this approach was
optimized to produce porin proteins with enhanced exclusion activities for both organic and inorganic
water solutes [85]. An emerging field is the technological use of oxygen-sensitive proteins present
in humans and plants to develop O2 biosensors and inducible genetic circuits; originally thought to
be for in vivo applications, they can be adapted to prepare functional NMs able to stoichiometrically
respond to O2 levels [86]. These concepts, explored with proteins, have also been demonstrated with
DNA molecules able to exclude complex analytes such as proteins and open a wide area of sensing
and purification opportunities [87]. Recently, Ryu et al. [88] and Álvarez et al. [89] reviewed the field
of transmembrane proteins incorporated into membranes and their coupling to different transductors
and applications in gas monitoring, pesticide detection, microarrays, and energy harvesting.
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In the future, enzymes may be incorporated in the above-discussed arrangements to monitor
more complex pollutants or their combinations. This concept is used in healthcare monitoring where
biosensors have been fixed in a plethora of materials like patches, temporary tattoos or wrists, among
others [90]. It should be noticed that the large economic market of diabetes management drives these
innovations. However, the protection of workers doing dangerous tasks in radioactive, potentially
toxic, or enclosed areas can benefit from the development of real-time monitoring bionanotechnologies.

6. International Markets and Regulations of Nanotechnologies Applied in Bioremediation

Nanotechnologies used in bioremediation processes are expected to drive the technological
evolution for the improvement of the environmental quality in developed and emerging
countries [91,92]. A significant amount of research has been performed to determine the mechanisms
of decontamination and remediation [93].

As it has been discussed previously, the biosafety related to the use and application of nanomaterials
is a high concern due to the lack of knowledge and validated protocols to measure the impact of these
materials on human health, loss of biodiversity [94] and bioaccumulation [95], and transport of NMs
in trophic chains [96]. Diverse international institutions such as USEPA, European Observatory for
Nanomaterials (EON), the OECD Working Party on Manufactured Nanomaterials (WPMN) and ISO
Technical Committee TC 229 “Nanotechnologies” have established international cooperation in order
to increase the application of available regulations [97,98].

Furthermore, nanotechnology and bioremediation world markets are expected to continue
growing and developing new niches to improve not only environmental aspects but also human
lifestyle [99].

The global nanotechnology market is expected to exceed US$125 billion by 2024; this sector
continues to have an impact on other markets, fundamentally in electronics, energy, biomedical,
cosmetics, defense, energy and agriculture [100] and, according to the US-EPA it is estimated that
bioremediation and phytoremediation technologies could have an annual growth of US$1.5 billion
per year [101]. The development of new methodologies and incorporation of nanotechnologies will
expand new opportunities for treating sewage, lakes, rivers, and ponds, among others, creating new
consumers and strengthening world trade [102].

7. Conclusions

The synergy between NPs and microorganisms for the degradation of some contaminants has
been proven in batch experiments, however, there is still a lack of knowledge about the synergetic
effect of nanoparticles and biotechnologies during a nanobioremediation process and how these
combined technologies respond to contaminants of a diverse nature. It should be noted that, to the
best of our knowledge, no safety data on the long-term use of NPs with microorganisms has been
provided. Bionanoparticles present various advantages over metallic NPs, such as their biodegradability
producing less impact on the environment. Current nanotechnologies could be used in remediation
processes for decontaminating soil, air, or water, but, more cost-effective methods of production
should arise.

An important issue concerning the use of these types of materials is the regulatory framework.
Scientists could contribute to the understanding of the interactions of NMs and bio-based technologies
during remediation processes under variable environmental conditions and, as a consequence, offer
arguments for better regulation.

Finally, nanobioremediation might enormously contribute to sustainability because it offers
environmental advantages and is cheap when compared to other technologies; even more the range
of applications of NMs, coupled with biological treatments, has demonstrated high effectivity in the
degradation of contaminants, which provides new possibilities to face environmental challenges.
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Abstract: The global burden of cancer is on the rise, and as a result, the number of therapeutics
administered for chemotherapy is increasing. The occupational exposure, recalcitrant nature and
ecotoxicological toxicity of these therapeutics, referred to as antineoplastic (ANP) drugs, have raised
concerns about their safe remediation. This review provides an overview of the environmental source
of ANPs agents, with emphasis on the currently used remediation approaches. Outpatient excreta,
hospital effluents, and waste from pharmaceutical industries are the primary source of ANP waste.
The current review describes various biotic and abiotic methods used in the remediation of ANP
drugs in the environment. Abiotic methods often generate transformation products (TPs) of unknown
toxicity. In this light, obtaining data on the environmental toxicity of ANPs and its TPs is crucial to
determine their toxic effect on the ecosystem. We also discuss the biodegradation of ANP drugs using
monoculture of fungal and bacterial species, and microbial consortia in sewage treatment plants.
The current review effort further explores a safe and sustainable approach for ANP waste treatment
to replace existing chemical and oxidation intensive treatment approaches. To conclude, we assess
the possibility of integrating biotic and abiotic methods of ANP drug degradation.

Keywords: antineoplastic drug; environment; toxicity; remediation; biodegradation

1. Introduction

Last few decades have experienced rising concerns over the release of pharmaceutical drugs into
the environment. Though pharmaceutical compounds have targeted effects on the human body, the
knowledge about the direct impact of their transformation products (TPs) and metabolites on other
organisms and indirect effects on human health is scarce. Antineoplastic (ANP) drugs (also known as
anticancer or cytostatic) are a specific group of pharmaceutical compounds which prevent, inhibit, or
terminate the development of cancer. However, due to their non-specific mode of action, affecting
both cancerous and healthy cells, ANP drugs exhibit cytotoxic, genotoxic, mutagenic, carcinogenic
and teratogenic effects in all eukaryotic cells [1–3]. Nevertheless, due to their low environmental
concentrations (10–100 ng/L or below), there is not enough evidence to accurately assess whether or
not ANPs have an impact on the environment [4]. However, since they are designed to disrupt or
prevent cellular proliferation, usually by interfering in DNA synthesis, their fate and transport in the
environment should be explored.
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The World Health Organization estimated the global burden of cancer at 18.1 million new cases and
9.6 million deaths in 2018 [5]. As per an evaluation by the American Cancer Society, 1,806,590 new cancer
cases and 606,520 cancer deaths are projected to occur in the United States by 2020 [6]. In compliance
with this trend of increasing cancer prevalence, new ANP drugs are also being designed, tested,
and manufactured at an increasing rate [7]. Over the past few years, 70 new ANP drugs have been
released to treat 20 variants of tumors (cancerous growths), the number of ANP drugs has expanded
by more than 60% [8]. More than 500 companies are currently pursuing ANP drug development, with
300 companies having cancer drugs under clinical development stages [8]. Figure 1a,b shows the total
number of ANP drugs approved in USA and EU, and total ANP molecules under different phases
of development, respectively. In 10 years from 2010 to 2020, ANP drug production is expected to
double [9]. The production of novel ANP drugs has varied greatly across countries over the years.
For example, in 2004, Canada and Australia consistently produced a higher volume of ANP drugs
(51 and 39 for Australia and Canada, respectively) whereas United States and Germany produced
significantly lower volume (29 and 17 for Germany and United States, respectively). On the other hand,
in 2014, United States and Germany produced higher volume of novel ANP drugs [10]. A comparative
global heatmap of some prominent ANP drug producing countries in 2004 and 2014 is shown in
Figure 1c. The raw data of Figure 1c is given in Table S1 of Supplementary Information. In addition
to the production, it is also crucial to highlight the sites where ANPs are mostly released into the
environment. However, there is not enough data to categorize sites in terms of ANP emission into
the environment. The number of publications on occurrence of ANP compounds in environment
is scarce, and most of studies to date are almost exclusively focused on Europe [11]. Nevertheless,
the number of cancer cases in different countries can be a governing factor that dictates the introduction
of these compounds in the environment. The country with highest number of cases will consume the
most ANP drugs and hence there will be a greater probability of introduction of these compounds
into the environment. The global heatmap of the number of cancer cases in different countries per
100,000 people is given in Figure 1d. The raw data was obtained from the GLOBOCAN online
database [12], and is provided in Table S2 of the Supplementary Information.

(a) 

Figure 1. Cont.
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Figure 1. (a) Number of antineoplastic (ANP) drugs approved between 1995 and 2019 in USA and
European Union (EU) [7,13–15]; (b) The Global Late Phase Oncology Pipeline in 2015 [8]; (c) comparative
global heatmap of ANP drug produced in some select countries in 2004 and 2014 [10]; (d) age
standardized cancer incidence in select countries in 2018 [12]. (Phase II and Phase III refers to ANP
drugs that are at second and third phase of clinical trials, respectively).

ANP drugs are categorized into different groups based on the organ or system on which they act
and their therapeutic, pharmacological, and chemical properties [16]. These different categories of
ANP drugs differ in their chemical structures and physicochemical properties. The physicochemical
properties play an indispensable role in the potential fate of these drugs in the environment [17].
Building a physicochemical profile of ANPs will allow for their partitioning, and help us study the
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fate of ANPs within aquatic and terrestrial ecosystems [18]. In total, 102 active antineoplastic drugs
have been identified which are environmentally relevant [19]. Section 2 of this review describes the
parameters that determine the fate and distribution of ANPs in the environment.

Though used in minimal quantity, ANP drugs persist in the environment [19] and can be harmful
even if present under low concentrations [20,21]. All ANP compounds are potent immunosuppressive
agents and have a high pharmacological potency that is fatal to aquatic and terrestrial organisms [22].
Significant disadvantages and environmental concerns associated with the usage of ANP drugs include
the following: (i) inevitable contamination of natural ecosystems (terrestrial and aquatic) by the drugs
themselves and their potentially toxic transformation products (TPs); (ii) scarcity of complete and
coherent knowledge on the environmental fate of these drugs, its human metabolites, or TPs; (iii) their
biomagnification at various trophic levels which can have adverse effects on the flora and fauna of the
contaminated ecosystems.

The aforesaid environmental concerns have made it imperative to develop a safe, economical, and
environmentally friendly process to remediate residual ANP drugs in the ecosystem. To date, limited
studies have been successful in using a single microbial system or microbial consortia for the complete
or partial elimination of ANP wastes [23–26]. The integration of microbial bioremediation systems
with abiotic remediation techniques can be beneficial as it will decrease the requirements of harsh
chemicals and may also reduce the generation of toxic degradation products [27]. This review presents
a case for integrating abiotic and biotic modes of ANP degradation. With our decade-long continuous
exploration in the field of extremophilic bioprocessing and bioremediation [28–34], we have identified
the scope of thermophilic microbes and thermophilic bioprocessing towards developing sustainable
and environment friendly methods of ANP waste degradation.

The primary objectives of this review effort are to (i) outline the parameters that affect the circulation
of ANP drugs in an environment; (ii) provide a brief overview of the source, types, and concentration
of ANPs in the environment; (iv) compare and contrast the Environmental Risk Assessment (ERA)
strategies being implemented in different regions; (iii) compile the information on existing biotic and
abiotic methods of remediation of ANP drugs; (iv) discuss the possibility of designing a more energy
efficient remediation method through integration of biotic and abiotic methods of treatment.

2. Parameters Determining the Fate and Distribution of ANPs

The decomposition or deactivation of ANP drugs in the waste treatment plants and environment
is greatly influenced by the individual physicochemical properties of ANPs and its TPs [4].
The physicochemical properties of some common ANP drugs are listed in Table 1, that include
octanol-water partition coefficient/hydrophobicity (Kow), dissociation constant (pKa), solubility, toxicity,
biological half-life, bioconcentration factor (BCF), and organic carbon partition coefficient (Koc).
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Sorption (absorption and adsorption) which is influenced by these physico-chemical parameters
is the key unit operation in remediation of ANPs [37,38]. One of the key factors that determines the
fate of ANPs in effluents flown from the treatment facilities is the magnitude of ANPs sorption onto
organic matter [39]. In addition, the chemical structure of the ANPs also determines the mechanism
and effectiveness of sorption [4]. Sorption of a chemical/organic compound to an organic matter
is determined using the octanol/water partition coefficient (Kow) and organic carbon normalized
sorption coefficient (Koc) which are derived from n-octanol/water distribution coefficient (Dow)
and the solid-water distribution coefficient (Kd), respectively. Kd value dictates both adsorption
and absorption of the chemical compound to natural organic matter [39]. The dissemination of a
chemical/organic compound between lipids and fats, sorption to biomass and distribution among
environmental compartments is indicated by Dow. However, Dow cannot be applied to organic
compounds with multiple functional groups because such compounds rapidly ionize at environmental
pH levels. Dow is therefore corrected for Kow which considers concentration of non-ionized species only.
For undissociated compounds, log Dow is approximately equal to log Kow. In general, log Kow < 1
indicates that a chemical compound is highly mobile in aquatic and is unlikely to sorb onto organic
matter (with the exception of IB (log Kow = 3)) that remains in the water phase and is less likely to
undergo sorption. On the other hand, log Kow ≥ 3 is indicative of a hydrophobic compound that
can undergo rapid sorption. Based on log Kow, it is possible to separate a mixture of ANPs and
investigate potential toxicity of the ANPs [22]. From Figure 2 and Table 1, we can see that many ANPs
are highly polar with log Kow values < 1. This suggests that they will mostly be distributed in the
water phase. In fact, in many studies, both cyclophosphamide (CP, logKow = 0.63), and ifosfamide
(IF, logKow = 0.86), were detected at concentration (w/w) of< 2× 10−5 mg/gram of sewage sludge, where
their concentrations per liter of the sewage treatment plant influent were 102−103 times higher [21,40,41].
Therefore ANPs with log Kow values < 1 are unlikely to be eliminated by adsorption onto sewage
sludge, and if they are not biodegraded, they will pass onto surface waters [25,42]. The logKow values,
when plotted with half-life of the ANPs (Figure 2), shows that the drugs with higher biological half-life
possesses higher hydrophobicity (logKow > 2). Though, there are some outliers that do not fit the
curve (Figure 2), more than 80% of the data demonstrates the expected trend. For hydrophobic ANPs,
adsorption to biomass plays an important role in their elimination process and as such hydrophobic
ANPs can be removed by using an adsorption based remediation method such as powered activated
carbon [43].

Figure 2. Plot indicating relationship between hydrophobicity and half-life of common ANP
drugs. Drugs list obtained from NIOSH List of Antineoplastic and Other Hazardous Drugs in
Healthcare Settings, 2016 (https://www.cdc.gov/niosh/docs/2016$-$161/pdfs/2016-161.pdf?id=10.26616/
NIOSHPUB2016161). Kow and half-life values were obtained from PubChem (https://pubchem.ncbi.
nlm.nih.gov/) and DrugBank (https://www.drugbank.ca/).
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The acid-base dissociation constant (pKa) is a key physicochemical parameter that describes the
extent to which a compound would dissociate at a particular pH. For example, methotrexate (MTX)
has a relatively low dissociation constant, and therefore it is more likely to be dissociated in the aquatic
ecosystem. MTX therefore has high mobility in the aquatic environment because of its high polarity [22].
The typical range of pKa values that a compound may have is related to the nature and frequency of
occurrence of the functional groups that are commonly observed in pharmaceuticals including ANPs.
Another important parameter is solubility which varies widely amongst the different classes of ANP
drugs. It varies from 0 for some plant alkaloids class of ANPs to as high as 104 and 105 mg/L for
ANP drugs such as capecitabine (CPC), cytarabine (CTB), cyclophosphamide (CP), and 5-fluorouracil
(5-FU) as mentioned in Table 1. In fact, due to the combination of low log Kow (hydrophilic) and high
water solubility, some ANP drugs such as cisplatin (CPT), carboplatin (CBT), and oxaliplatin (OXT)
become highly mobile in the aquatic environment [44]. In the same light, it is also important to mention
bioconcentration factor (BCF), which indicates the biomagnification risk. Most cytostatic drugs have
BCF between 1 and 4. However, for some other ANPs such as tamoxifen (TAM) and bicalutamide
(BLT) BCF is 827, while lapatinib (LTB) has BCF of 2535, mitotane (MTN) 7649, and estramustine (ERT)
13,783, which is indicative of an extremely high potential for bioconcentration in aquatic organisms [43].
It could thus be potentially dangerous to humans as well. These physico-chemical parameters are
therefore important factors that should be taken into consideration before designing environmental
risk assessment programs, and biotic and abiotic degradation strategies.

3. Sources of ANPs in the Environment

Since the very first detection of ANP drugs in the aquatic environment in 1985 [45], various studies
have discovered different classes of ANP drugs in the aquatic environment, with negligible or almost
unchanged structural conformation [46]. ANP agents are mostly introduced into the environment
through the urine and feces of outpatients who consume the drug at home (oral chemotherapy),
or patients who undergo chemotherapy at hospitals [1,40]. Particularly effluents from cancer hospitals
or hospital wards specialized in oncology are the key emission source of ANP drugs in the aquatic
environment [47,48]. In fact, excretions of patients undergoing chemotherapy at hospitals is the main
source of introduction of ANP drugs in the environment [43]. The excretion route (feces or urine) is
dependent on the type of drug administered. For example, 70% of bleomycin (in less than 2 h) and 40%
of doxorubicin (in 5 days) is excreted in urine, and 50% of irinotecan (ITN) (48 h) in feces [43]. A few
more ANP drugs such as MTX and pemetrexed (PEM) have shown high urinary excretion rates (≈ 90%).
MTX and PEM are mainly excreted as human metabolites of the parent drug [21,49]. For example, the
urinary excretion of 5-FU is only about 15% as parent compound (5-FU), and 80% as its metabolite
R-fluoro-alanine [50]. The excretion rate of ANP drugs varies with medication (duration of medication,
formulation), mode of application (intradermal, intravenous, oral), and metabolic rates among treated
patients. Figure 3 shows the possible routes for the introduction of pharmaceutical drugs into the
environment. The occurrence and concentration of ANPs in effluents is also dependent on many
factors, such as the number of patients, the physico-chemical nature of the drug used, dosing, excretion
rates, methods of sampling, storage, and transport, as well as daily water consumption, which can
significantly dilute the effluent and affect the detectability of ANP and its TPs [43]. ANPs through
effluents can enter the aquatic environment unaltered or as TPs depending on the physicochemical
characteristics discussed in Section 2. These drugs or their TPs can have detrimental effects on the
environment, aquatic life, and human health [20]. Due to danger that these drugs pose, it is important
to gather data on the usage of ANPs in a decentralized way because every patient and hospital do not
use the same type ANP drugs. Such decentralized categorization of data would also help in designing
efficient environmental risk assessment and remediation strategies.
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Figure 3. Sources for the introduction of ANP waste into the environment (modified from [51,52]).

4. Environmental Risk Assessment (ERA) of ANPs

Recent years have seen a sharp spike in the number of ANP drugs in the market which has
promoted anticancer home treatments [40]. As a result, more ANPs are being increasingly reported
in wastewater and natural water bodies [17,20,53]. Due to their increased accumulation and highly
hazardous nature, it has become imperative to quantify the concentration of ANPs in the environment
and carry out an environmental risk assessment (ERA). The ERA methodology varies in different
regions of the world. The European medical agency (EMA) calculates the predicted environmental
concentration (PEC) in addition to screening the persistence, bioaccumulation, and toxicity of the drug
during phase I assessment [54,55]. The PEC value is calculated using the following Equation (1) [55].

PECSW = (DOSEAS × FPEN)/(WASTEWINHAB × DILUTION) (1)

where, PECSW predicted environmental concentration for surface water (mg/L); DOSEAS is the
maximum daily dose of the active substance consumed per inhabitant (mg/inh·d); FPEN is the fraction
of a population receiving the active substance; WASTEWINHAB amount of wastewater per inhabitant
per day (L/inh·d); DILUTION is the dilution factor.

As per the EMA standard guidelines, if the PECSW value is <10 ng/L, the pharmaceutical drug is
unlikely to represent a risk to the environment [55]. Persistence, bioaccumulation, and other toxicity
tests are not required for ANPs that fall under this category. Lipophilic ANPs (log Kow > 4.5) are directly
moved to phase II because of their bioaccumulative nature. In contrast, the USA uses different ERA
methodology where the drugs are first sorted based on its potency to enter the environment. Various
tests such as the water solubility test, dissociation constant test, octanol/water partition coefficient (Kow)
test, and vapor pressure is conducted on the sorted drugs. The environment introduction concentration
(EIC) is then estimated using the following Equation (2) [55].

EICAQ = A × B × C × D (2)

where, EICAQ: expected introduction concentration of an active moiety into the aquatic environment
(ppb); A: amount produced for direct use as active moiety (kg/year); B: inverse of liters per day
entering the publicly owned treatment works, (POTWs) (day/L); C: conversion factor (year/365 day);
D: conversion factor (109 μg/kg). If the EICAQ < 1000 ng/L, the drug is excluded from further testing.
PECSW is generally lower than EICAQ due to dilution factor.
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When compared to EU and USA, Canada’s ERA assesses not only the harmful effects of the
substance on human health and environment but also their exposure potential [55]. Canada’s ERA
considers the lethality, mutagenicity, reproductive effects, and organ toxicity of the drug. This detailed
testing weighs the impact of ANPs and is not carried out in the EU or USA. In Canada, PEC is calculated
using the following Equation (3) [55].

PECSW = (kg of API/year) × (1 year/365 days)/(Wastewater L/day·capita) × (population) (3)

where, PECSW: predicted environmental concentration in surface water (μg/L); kg of API/year: amount
produced per year (kg/year); Wastewater L/day·capita: volume of wastewater generated per day per
capita (L/day). The substance tested is designated to be toxic when PECsw divided by predicted
no-effect concentration (PNEC) is ≥1.

One major obstacle in assessing the risk of ANPs in the environment is that the existing ERA
procedures differ significantly in the European Union (EU), USA, and Canada. The most notable
distinction is that the EU and USA regulate products (drug), whereas Canada regulates substances
(active pharmaceutical ingredients (APIs)) [55]. In EU and USA, existing drugs or new drug applications
before the introduction of the ERA guidelines are not required for assessment whereas in Canada all
substances entering or which may enter the environment are premised to be toxic until evaluation [55].
The EU and USA have implemented a tiered approach in which only the drugs that are suspected
to be toxic are transferred onto the next stage of assessment. Canada, on the contrary, has adopted a
classification-based approach in which the timing of notification is determined by the type of substances,
i.e., polymer, chemical, or biological living systems [55]. However, in Canada, toxic and even non-toxic
substances are checked for their accumulation impact to the land and water. The criteria of toxicity
testing even after ERA clearance is vital as accumulation or circumstances of exposure to the substance
may render the substance toxic. Table 2 gives a comparison of ERA procedures implemented in the
USA, EU, and Canada.

Table 2. Characteristics of Environmental Risk Assessment (ERA) regulatory approach implemented in
USA, EU, and Canada.

USA EU Canada

Implementing
organization

Food and Drug Administration
(FDA)

European Medical Agency
(EMA)

Health Canada and
Environment and

Climate Change Canada

Regulated product
All drugs manufactured for sale in

EU member states New Drugs New Substances

Timing of ERA
When applying for marketing

approval New Drug applications [56] Before notification

ERA Methodology
Phase-tiered based approach (Phase

I; Phase II-Tier A and Tier B)
Tiered based approach (Tier 1,

Tier 2, Tier 3)

Classification based
approach (polymers,

living organisms,
chemicals)

Drug exclusion criteria PEC a < 10 ng/L EIC b < 1000 ng/L PEC < 100 ng/L

Risk Assessment
Criteria

PEC/PNEC c ≥ 1 EC d
50/MEEC e < 10 PEC/PNEC ≥ 1

Strengths
Responsibility lies with government

Tiered approach

Responsibility lies with
government

Tiered approach

Responsibility lies with
government

Analyzes substances that
are presumed to be

non-toxic.

Weaknesses
No ERA for existing drugs.

Non-consistent ERA procedure
between member states

No ERA for existing drugs Non-tiered approach

Notes: a—Predicted environmental concentration (for details see Section 4 of the review); b—Environment
Introduction Concentration (for details see Section 4 of the review); c—Predicted no effect concentration
(for details see [55]); d—Concentration of a drug that gives half maximal response; e—Maximum expected
environmental concentration.
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Some ERA studies elucidated that ANP drugs that directly interact with DNA do not have any
safe threshold concentrations [22,55,57], and as such the stipulated PEC and EIC values may give false
positives for certain ANP drugs. For instance, Kidd et al. [58] showed that concentration of breast
cancer drug 17α-ethynylestradiol (in the concentration range 5–6 ng/L) impacted reproductive health
in the fish (Pimephales promelas), that lead to a decline in its population at a concentration lower than
the EMA suggested toxic level (10 ng/L).

One major issue with accurate ERA is the persistence and accumulation of some ANP drugs in the
environment over time. The recalcitrant nature of some ANP drugs in activated sludge environment
indicates the possibility of these compounds being persistent in river water [19,59]. The analysis of data
provided by the German Environmental Agency confirmed that nearly 30% of ANP compounds are
persistent in the water phase [19]. This persistence may gradually increase the actual environmental
concentration. Rowney et al. [57] showed that alkylating ANP drugs (0–145 ng/L), antimetabolite
ANPs (0–27.4 ng/L), and anthracycline ANPs (0–0.7 ng/L) were detected in the Thames catchment in
the United Kingdom. Similarly, the data available for the measured environmental concentration of
cyclophosphamide in surface water varies from a negligible 0.05 to 64.8 ng/L [40].

Since there are a large number of ANP drugs currently in the market, and several others in the
pipeline (Figure 1), it is necessary to categorize ANPs that are widely prescribed and are likely to
persist in the environment. In addition to persistence, the current ERA methodologies do not have any
guidelines on dealing with the transformation products (TPs) or human metabolites (HMs) of these
drugs. It is not possible to design strategies to study the toxicity of TPs beforehand as the generation
of TPs depends on the type of remediation methods employed and environmental parameters such
as pH, temperature, type of remediation technique, etc. [22]. Some studies have suggested that TPs
or HMs, in some cases, may be more toxic than the parent drug [40,60]. Besse et al. [40] reasoned
that the metabolites of ANP drug methotrexate could be more toxic than their parent drug. Similarly,
the TPs of certain medications can be more active, even more polar, and therefore of higher mobility
in aquatic environments than the parent drug [61]. Consequently, it seems plausible to redesign the
current ERA methodologies keeping in mind the toxicity of HMs and TPs. Genotoxicity assessments of
ANPs and their relevant TPs should be conducted to allow for a better development of biodegradation
or a combination of both biotic and abiotic remediation techniques.

5. Overview of Existing Methodologies of ANPs Degradation in Environment

5.1. Biological Treatments

Microbial systems are known to synthesize certain pharmaceutical drugs and harbor efficient
molecular mechanisms that make them resistant to these compounds [62]. Various studies have
documented the presence of drug-resistant microbes in hospitals, agriculture, and animal husbandry
where these drugs have been used to treat microbial infections [63–65]. Microorganisms evolve
numerous biochemical mechanisms to counteract the toxicity of pharmaceutical drugs. Some general
mechanisms that microbes exploit to resist pharmaceutical drugs are (a) variation of sites where
drugs are targeted, (b) alteration of enzymes that inactivate antimicrobials, (c) reduced membrane
permeability, and (d) dynamic and active efflux of pharmaceuticals [66].

Some microbial enzymes mimic the mammalian enzymes that perform xenobiotic detoxification
and thus can serve as useful models of drug metabolism [67]. For instance, soil microbes, especially
Actinobacteria, synthesize and secrete molecules that exhibit anticancer activity into their niche [68].
The presence of such anticancer molecules, which are a vital component of ANP drugs, accentuates
other soil bacteria to harbor mechanisms to avoid the toxic effects of these drugs in their natural habitat.
The use of soil bacteria to detoxify ANPs is a potent and under-investigated strategy to detoxify
anticancer drugs.
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5.1.1. Fungal and Bacterial Biodegradation of ANPs

Currently, limited numbers of fungal and bacterial species are known to be an excellent degrader
or inactivator of ANPs. Such establishment gives the proof of principle that microorganisms can modify
or degrade ANPs. The white-rot fungus, Trametes versicolor, is known to have a unique capability of
removing a wide variety of ANP compounds [69,70]. In one study, Ferrando Climent et al. [70] explored
the possibility of eliminating some selected ANPs from sterile and non-sterile hospital wastewater in a
10 L fluidized bed bioreactor inoculated with the fungus T. versicolor. Maximum removal (in non-sterile
wastewater) was observed for Azathioprine (AZT) (100%), Etoposide (ETS) (100%), and Ciprofloxacin
(CIP) (97%), whereas minimum removal was observed with TAM (48%), but no degradation or sorption
was recorded for cyclophosphamide (CP) and Ifosfamide (IF). More efficient removal of some ANPs in
non-sterile wastewater possibly resulted from positive interactions between the fungi and common
fecal bacteria which led to synergistic degradation of the ANP drugs. No biodegradation of IF and CP
can be attributed to the halogenated atoms in their molecular structure which probably hindered aerobic
biodegradation since halogenated functional groups decrease electron density at the reaction site [71].
For tamoxifen, no conclusive evidence was found for its low biodegradation in non-sterile wastewater.

On the contrary, TAM was degraded more rapidly in sterile wastewater. This increased degradation
coincided with increased fungal activity in the absence of other competing microorganisms. However,
the most prominent mechanism of TAM removal was attributed to sorption process since the heat-killed
experiment showed 94% removal after 9 days. The high sorption of TAM in contrast to IF and CP was
because of its high hydrophobicity (log Kow = 6.3). In addition, the presence of electron-donating amino
group and the absence of halogenated functional groups in TAM also increased its degradation rate in
sterile wastewater. In both sterile and non-sterile hospital wastewater, highest laccase activity was
reached at the end of the treatment, indicating that T. versicolor was active throughout the experiment.

In another study, the fungus T. versicolor was used to biodegrade 10 mgL−1 of sulfonamides
sulfapyridine (SPY), and sulfathiazole (SPZ) [72]. Sulfonamides constitute an important class of drugs
that show substantial anticancer activity [73]. SPY was completely removed after 24 h whereas the
removal of STZ was slower and around 20% of STX was detected even after 72 h. Unlike in the study by
Ferrando Climent et al. [70], where TAM was removed by sorption to heal-killed controls, no sorption
of SPY and SPZ was observed when heat-killed controls were used in this study. This suggests that the
fungus T. versicolor utilizes different mechanisms of ANP detoxification/degradation depending on
the nature of the drug. The presence of TPs of SPY and SPZ confirmed that the elimination of these
drugs was due to biodegradation and not due to sorption. The study indicated that the enzyme laccase
played an important role in biodegradation. When cell-free purified laccases with mediators were
tested for biodegradation capabilities, elimination ranged from 75% to 98% (±4%) for SPY and 82% to
100% (±3%) for STZ by the end of the experiment.

The use of mediators such as violuric acid and ABTS enhances biodegradation as they favor
the oxidation of non-phenolic compounds such as sulfonamides [74]. Though the fungus does not
release these mediators, similar molecules with analogous functions may be released during active
growth [72]. In addition to laccase, cytochrome P450, an intracellular enzyme complex, was also
implicated in biodegradation of STZ. Culture of T. versicolor containing inhibitors of cytochrome
P450 decelerated biodegradation of STZ whereas the presence of such inhibitors did not show any
appreciable effect on the degradation of SPY. These results indicate that cytochrome P450 was involved
in the degradation of STZ whereas there was no experimental evidence for its role in the degradation of
SPY. The authors concluded that the use of whole fungal cells with active cytochrome P450 resulted in
shorter degradation time. In contrast, with the use of purified laccases, significant biodegradation was
seen only with longer incubation times (9–16 days) [70,75]. Laccase mediated degradation has also been
shown for other ANPs such as naproxen (NPX) [76]. Naproxen is a non-steroidal inflammatory drug
shown to exhibit ANP activity [77]. Biodegradation experiments with purified laccase from T. versicolor
plus mediators showed almost complete degradation of NPX (95%) at a concentration of 55 μg/L [76].
This study on NPX highlighted the importance of adding mediators during biodegradation in the
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presence of laccase. Purified laccase (1000 AU/L) without mediators degraded less than 10% of NPX
whereas when mediator (1-hydroxybenzotriazole) was added extensive degradation of NPX (>95%)
was detected. The study also established that inhibition of cytochrome P450 decreased the active
uptake of NPX by T. versicolor and that cytochrome P450 plays a crucial role in the degradation of NPX
and other ANPs.

In addition, fluorinated ANPs such as 5-FU and Citalopram (CTP) tend to be more recalcitrant in
nature due to the strong C-F bond. For biodegradation of fluorinated drugs, the cleavage of C-F bond
is required. CTP, a fluorinated drug was degraded entirely after 14 days at a concentration of 1 mg/L
using three white-rot fungi: Bjerkandera sp. R1, Bjerkandera adjusta, and Phanerochaete chrysosporium [78].
Biotransformation of many fluorinated compounds such as fluorophenol, fluorobenzene, and
fluorobenzoic acid by aerobic microorganisms is reported [79,80]. Many oxidative enzymes are
known to oxidize fluorinated derivatives of natural substances. In contrast to CTP5-FU was not readily
biodegradable by T. versicolor and inoculum from the effluent of STP [78]. In fact, some fluorinated
drugs require advanced photo-oxidation treatment for degradation [81]. This is because the position of
fluorine on the fluorinated drug impacts its catabolism, and the position of fluorine might result in the
formation of non-biodegradable dead-end metabolites [82].

Actinomycetes exhibit positive potential in degrading the ANP doxorubicin, which belongs to
the anthracycline class of anticancer drugs [83]. Actinomycetes, a phylum of Gram-positive bacteria,
are morphologically similar to fungi because of their elongated cells that branch into filaments or
hyphae [84]. Westman et al. [83] examined Actinomycete isolates for their resistance against ANP, 67%
of these strains were resistant for up to 150 μg/mL doxorubicin (DOX). Interestingly, Streptomyces sp.
strain WAC04685 could degrade DOX at concentrations higher than 200 μg/mL to a deglycosylated
alcohol derivative (7-deoxydoxorubicinol) which is a non-toxic residual. The study also highlighted
that the deglycosylation of doxorubicin by strain WAC04685 is mediated by the NADH dehydrogenase
component of the respiratory electron transport complex I, and the addition of NADPH to crude
extracts improved the degradation of DOX. The study of the purified enzyme NADH dehydrogenase
revealed the involvement of three subunits (NuoE, NuoF, and NuoG), among which, only NuoF was
predicted to have NADH binding function [85]. Furthermore, strain WAC04685 could catalyze reactive
oxygen species that resulted from Doxorubicin by the action of two homologs superoxide dismutases,
two catalases, and a glutathione peroxidase. genome. This study on DOX inactivation gives directions
to further explore and engineer novel biodegradation strategies involving Actinomycetes.

In separate research on studying colon cancer models, the bacteria Mycoplasma hyorhinis could
metabolize the chemotherapeutic drug gemcitabine (GEM) (2′,2′-difluorodeoxycytidine) into its
inactive form, 2′,2′-difluorodeoxyuridine [86]. The inactivation of the GEM was dependent on the
enzymatic reaction of cytidine deaminase (CDDL). Besides M. hyorhinis, 13 other Mycoplasma species
exhibited the ability to inactivate GEM completely. The majority of these species express CDDL for
such purpose indicating the importance of this enzyme in inactivation of GEM.

5.1.2. Biodegradation of Antineoplastic Drugs in Sewage Treatment Plants (STPs)

ANPs residues can be removed from the aqueous phase in STPs either by biotic (biodegradation
or biotransformation) or abiotic (sorption, photolysis, hydrolysis) processes [87]. Specifically for ANPs,
different values for their removal in wastewater treatment plants were published earlier [40,88,89].
The removal rate can range anywhere between 10% and 90% [89,90]. The removal efficiency at
STPs (FWWTP) varies widely because FWWTP is dependent on various factors such as locations of the
served population, capacity, configuration, type of treatment, operating parameters, and hydraulic
and solid retention times [91]. It is therefore necessary to decentralize data collection procedures
at STPs, and whenever possible, specific experimental data of the STP operating in the study area
should be used. Furthermore, important physical-chemical parameters such as volatilization, mixing,
adsorption, and degradation should be considered to estimate FWWTP as stipulated by the United
States Environmental Protection Agency (US-EPA) and European Union System for the Evaluation of
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Substances (EUSES) [91]. In addition to the factors already mentioned, the removal rate in STPs greatly
varies among different ANP drugs and the efficiency of biodegradation is associated with the drugs
and its physicochemical properties (hydrophobicity, solubility etc.) [21]. Elimination rates of some
ANPs detected in STPs ranges from 10–88% (CP, ifosfamide (IF), CPC, TAM, and cytarabine (CTB))
to 77–100% (DOX, doxetaxel (DOX), ETS, GEM, ITN, CP, paclitaxel (PAC), megestrol [92], 5-FU, and
MTX) clearly indicating that physicochemical properties of the drug impacts biodegradability [93].
Before jumping into the specifics of some STP studies on a few selected ANPs, it is necessary to
understand that operation details on the fate and behavior of various ANPs in STPs are not provided in
many studies, and as such no concrete conclusions can be drawn regarding this issue [93]. Some of the
most commonly used ANP drugs and their removal during conventional biological treatment (STPs)
are discussed in the following paragraphs.

Removal of Alkylating Agents in STP

Alkylating agents are a class of ANP drugs that prevent cell division primarily by cross-linking
strands of DNA, and thereby inhibiting RNA and protein synthesis [94]. IF and CP are the most widely
consumed alkylating agent type of ANPs, and several studies with conflicting results regarding their
biodegradation have been published in literature [25,41,95–97]. In one of the early studies conducted
in a laboratory scale sewage treatment plant (LSSTP), the result suggested that activated sludge did not
appear to acclimatize to the presence of CP in the media and the drug was not efficiently biodegraded
in LSSTP [25]. During the 39 days of operation (10 μg/L cyclophosphamide added/day), an average of
83% of undegraded CP was recovered in the effluent [25].

On the other hand, significantly high removal of IF and CP (100%) was recorded in some other
studies [93]. IF (between 3 and 2 ng/L) and CP (up to 13.1 μg/L) have been found in the influent streams
of STPs in Spain [93]. In the treated effluent streams, their concentration ranged from 0.09 to 71 ng/L
for IF and 0.19 to 25 ng/L for CP, respectively [93]. The efficiency of removal is far exceeded to that
of the result obtained in a study in Slovenia that merely removed 10% [98]. For IF, a higher removal
efficiency of up to 87% in a STP in Switzerland [41], but less than 3% in a Chinese STP [99], whereas
the maximum removal of CP was 100% in a Spanish STP [93], and the lowest removal was 10% in a
STP study in Slovenia [98]. The varying elimination efficiency of CP and IF can be attributed to their
different physicochemical properties (Kow. water solubility, pKa, etc.). Moreover, the microbiota of
STPs and concentration of these drugs in sewage varies geographically, and therefore no conclusions
can be obtained regarding the efficiencies of these treatment plants. It should also be noted that in
some studies these ANPs were detected in the effluent streams but were negligible in the influent
streams of the STP process [26,100]. This paradox could be because in influent streams these drugs are
present as conjugates (not detected as free drugs in influent streams) whereas in the effluent streams
these conjugates are broken down and free drugs are thus detected [101].

Removal of Antimetabolites in STP

Antimetabolites are another class of ANP agents that are structural analogs of natural substances
(such as vitamins, nucleosides, or amino acids) that compete with the natural substrate for the active site
on an essential enzyme or receptor, thereby interfering with the DNA synthesis [102]. 5-FU, GEM, CTB,
and MTX are another widely consumed group of ANP drugs belonging to the class antimetabolites
that have been investigated so far [93]. Complete elimination of 5-FU present at an initial concentration
of 5 mg/L was observed in Germany [103]. These results were corroborated by other studies where
5-FU was not detected in the influent or the effluent wastewater of four Spanish WWTPs, one Swiss,
and one in Baltimore [93]. The absence of 5-FU in the influent stream can probably be explained by the
fact that it is swiftly metabolized and produces biologically inactive metabolites [104].

In an STP in Slovenia, 5-FU was detected inside the influent wastewater at very low quantity
(<3.1 ng/L) with up to 100% removal efficiency after the biological treatment. The removal of 3.5 ng/L
5-FU in a Spanish WWTP was also 100% [98]. Both findings stated above may indicate that 5-FU is
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highly biodegradable at low concentrations. However, at higher levels (20 and 100 mg/L), 5-FU is
partially biodegraded, and the TPs produced could be toxic [105]. In contrast to the results mentioned
above, Kümmerer and Al-Ahmad [26] and Yu et al. [106] elucidated that 5-FU was persistent to
biodegradation. Yu et al. [99] observed incomplete removals of 5-FU, even at lower concentrations
(1 and 50μg/L). Amid these contrasting results, Straub [107] critically evaluated available data regarding
5-FU biodegradability tests and suggested since biodegradability of 5-FU was conducted using different
treatment methods in different laboratories it is challenging to compare biodegradation rates [108].
Lutterbeck et al. [81] reasoned that the difference in biodegradability of 5-FU was due to the varying
initial bacterial population density. All the tests conducted with higher bacterial densities [105] showed
faster elimination of 5-FU; whereas an analysis with lower bacterial densities showed the persistence
of 5-FU.

Bioremediation studies for GEM (another antimetabolite) is scarce. The removal of GEM
ranged from 25% to 100% during biological treatment [98,109]. Martin et al. [110] detected a higher
concentration of GEM in treated effluents (65–88 ng/L) to that of the untreated influents (39–52 ng/L).
Higher concentration in the influent stream was because GEM was present in conjugate form in influent
streams whereas it was dissociated into free drug in the effluent stream [93].

For CTB, the elimination rates ranged from 24% up to 64%, and it was detected in quite high
quantity in both influent and effluent streams [19,110]. For example, in samples taken from four
Spanish STPs, the average influent and effluent concentrations were 464 and 190 ng/L, respectively [110].
The higher level in the influent stream was possibly due to conjugated CTB, as explained in detail
before. Nevertheless, it should be noted that compared to other ANP drugs, neither cytarabine nor
gemcitabine may possess mutagenicity or teratogenicity according to the International agency for
research on cancer [93].

Lastly, another antimetabolite ANP that is widely used is MTX. Kosjek et al. [111] described the
biotransformation of MTX in an aerobic conventional activated sludge (CAS) type STP. The findings
in that study suggested that MTX was readily biodegradable and transformed into several TPs.
Methotrexate is consumed faster by the microbes in the presence of nutrients. The high biodegradability
of MTX can also be attributed to the fact that this drug is a weak carboxylic acid, and thus it is mostly
dissociated at environmental pH. MTX is sufficiently removed by biodegradation in STPs, achieving
complete degradation in some studies [96,112]. In general, the influent concentration of MTX ranged
from 2.6 to 303 ng/L, while its effluent concentrations from <0.08 to 53 ng/L [93]. Nevertheless, based
on the limited data on removal of antimetabolites, no concrete conclusion can be drawn regarding their
elimination in STPs, and therefore more conclusive biodegradation studies are required to confirm the
biodegradability of such antimetabolites.

Removal of Plant Alkaloids in STP

Plant alkaloids are nitrogen-containing organic compounds obtained from specific plants and used
as an ANP agent in the treatment of cancer [113]. These plant alkaloids attack cells at different phases
of cell cycle and inhibit cell division. Docetaxel (DOC), ETS, PAC, vincristine (VIN), and ITN are five
major plant alkaloids that have been studied regarding their elimination through biological processes.
Almost complete removal of DOC (logKow = 2.83) was observed in a CAS type STP in a study in Spain
where its effluent concentration was lower than 3.8 ng/L as compared to its influent concentration
(65–219 ng/L) [112]. For ETS, highest removal in a CAS type STP is reported to be between 77% and
100%. The influent concentrations of ETS in these studies were in the range 15–83 ng/L, whereas the
effluent concentration was in the range 2.9–3.5 ng/L [95,109,110]. ETS is primarily observed at high
concentrations in hospital effluents (≈714 ng/L), and it was not detected in the influent or effluent
streams of some domestic STPs in Spain and Slovenia [96,98,112]. This is probably because the use of
ETS as a chemotherapeutic agent generally requires hospitalization [93]. The occurrence and removal
of PAC has only been studied once by Ferrando-Climent et al. [112].
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PAC (log Kow: 3.95) was detected (18 ng/L) only in one of three influent streams of a CAS
type STP in Spain whereas it was not detected in effluent streams suggesting its complete removal.
Complete elimination of another plant alkaloid, ITN, was observed in a CAS type STP with tertiary
treatment in Spain with an influent concentration of up to 21.3 ng/L [96]. ITN was also detected in the
influent stream (49 ng/L) of a CAS type STP in Slovenia where it was almost completely degraded
as the effluent concentration was less than 0.4 ng/L [98]. The biotransformation of the another plant
alkaloid vincristine was also recently investigated [114]. The study showed that vincristine was readily
biodegradable in CAS. This study observed that the presence of a nutrient-rich medium accelerated
biodegradation rate. However, the study cautioned that the biodegradation rates could appreciably
slow down if the microbial consortia present is inhibited due to the presence of some other drug which
is toxic. Therefore, it is necessary to design systems keeping in mind the presence of other drugs in the
system. The high removal efficiency of plant alkaloids observed in all these studies is possibly due to
its high sorption to sewage sludge due to hydrophobic (low log Kow value) and ionic interactions as
suggested by Kosjek and Heath [4].

Removal of Antitumor Antibiotics in STP

Antitumor antibiotics are amongst the most important ANP agents administered for
chemotherapeutic purposes. They mainly to bind to DNA or RNA through intercalation and stop
cancer cells from growing [115]. DOX and epirubicin [116] are the only two antitumor antibiotics that
have been investigated until now [93]. Contrasting results have been obtained regarding the removal
of DOX in STPs. According to the study by Martin et al. [109] in Spain, DOX was not detected in the
influent (concentration below limit of detection) whereas it was detected in the range 20.3–42.4 ng/L in
the effluent stream. This was probably because DOX existed in conjugated form in the influent stream.
The study by Negreira et al. [96], however, found that DOX was completely eliminated from 12 STPs
in Spain as the median concentration of doxorubicin changed from 2.6 ng/L in the influent stream to
below limit of detection in the effluent stream. On the other hand, Franquet-Griell et al. [117] noted that
DOX remained at 40% of the initial concentration, and in one more study by Martin et al. [110] DOX
was detected at higher concentrations in the effluent streams of four Spanish STPs (20.3–42.4 ng/L)
probably due to conjugate formation. EPI, another antitumor antibiotic was undetected in the effluent
stream of three STPs in Spain while it was detected at very low concentrations (in the range 4.5–6 ng/L)
in hospital effluent in the same studies indicating EPI might be degraded or adsorbed to sewage sludge
while passing through the STP [109]. This result was corroborated by the another study where EPI was
neither detected in the influent or in the effluent streams of two STPs in Canada [97]. The limited and
contradictory literature data for doxorubicin DOX shows that its removal from STPs is not properly
understood and further investigation is required to get a lucid picture regarding its biodegradability.
On the other hand, for epirubicin, it seems that it is completely degraded in a STP, however, more
research is needed from different geographic locations to confirm its complete removal in a STP.

Removal of Hormonal ANPs in STP

Hormonal ANPs are another type of chemotherapeutic treatment that interferes with hormone
system, in order to slow or stop the growth of cancer cells. Hormonal ANPs are used in the treatment of
various hormone-dependent cancers such as breast and prostate cancer [93]. TAM and Megestrol [92]
are the two mostly studied hormonal ANPs with regard to their removal from STPs. TAM is one
of the most widely used ANP for breast cancer treatment. The removal of TAM was noted to be
insufficient (ranging from 18% to 50.6%) from secondary and tertiary biological treatment in STPs.
The concentration of TAM in influent stream of STP ranged from 3.5 to 215 ng/L and in the effluent
stream the concentration ranged from 5.8 to 13.5 ng/L in various studies [96,98,112,118]. Even when
tertiary treatment was applied the removal efficiency of TAM was lower (37% and 30% in STPs in Spain
and United Kingdom, respectively) indicating its resistance to biodegradation [96,118]. Another most
widely used hormonal ANP is MEG which is the most common progesterone used in medicine. It was
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detected in the influent of a Spanish STP at concentration ranging from 3 to 150 ng/L, and achieving a
significant removal of 87% through CAS treatment [119]. In the same study, MEG was the only ANP
drug detected in a second STP at an influent concentration of 220 ng/L which was completely removed
(100% elimination) through biological treatment [119]. In the study by Franquet-Griell et al. [117],
MEG was not detected in the effluent stream of STP indicating its complete removal. However, the
study was inconclusive as to whether elimination of MEG was due to sorption onto sewage sludge
or through biodegradation. When both these hormonal drugs are compared, TAM appears to be
poorly biodegradable through secondary and tertiary treatment and therefore would require further
investigation regarding its occurrence and toxicity in aqueous and terrestrial environments. On the
other hand, MEG appears to be completely removed, however, there are contradictions regarding the
mechanism of its removal (biodegradation or sorption). Therefore, further investigations focused on
the mechanism of its removal is necessary.

5.1.3. Removal of ANP Drugs Using Membrane Bioreactors

Membrane bioreactors (MBRs) are advanced biological treatment processes that combine the CAS
with a membrane filtration process [120]. Previous investigations have shown that pharmaceutical
residues are often not completely removed during the activated sludge process, which makes CAS
inefficient for some pharmaceuticals [121]. MBRs is a notable system as it can be operated with
highly intensified biomass, high sludge retention time, lower sludge production, high effluent quality,
and enhanced biotransformation and mineralization of resistant pharmaceutical compounds [93,121].
Though the total operational cost is higher for MBR systems, it is an attractive alternative waste
treatment technology as it provides a more environmentally friendly effluent [93]. However, it is
necessary to note that the use of MBRs for removal of ANPs at large-scale is not available and as such
only pilot scale and bench-scale studies on removal ANPs have been discussed.

Mahnik et al. [48] investigated the biodegradability of four drugs, 5-FU, DOX, EPI, and
daunorubicin (DAU), present in the wastewater of an oncogenic ward by elimination using activated
sludge and treatment in a 1000 L pilot scale membrane-bio-reactor system. 5-FU was almost completely
eliminated within 24 h, and biodegradation was hypothesized to be the most plausible mechanism as
5-FU did not adsorb to suspended solids in wastewater. On the other hand, DOX, EPI, and DAU were
eliminated more than 90% from the sewage sludge mainly due to adsorption. The results indicated that
all the studied anticancer drugs are eliminated by sewage treatment plants, either by biodegradation
or adsorption.

In another study, the removal of cancerostatic platinum compounds (CPC) CPT, CBT, OXT, 5-FU,
and anthracyclines DOX, DAU, and EPI were conducted in a pilot-scale MBR system [122]. The CPC
compounds were removed at a mean value of 60% due to their adsorption to sewage sludge whereas
5-FU and the three anthracyclines were removed below limit of detection within 24 h mainly due
to the adsorption by the MBR system. In addition, the genotoxicity of the CPC compounds was
reduced in the effluent. Delgado et al. [123] studied the removal of CP and its principal metabolite
4-ketocyclophosphamide (4-ketoCP) in a laboratory scale MBR. The pharmaceutical removal efficiency
for CP remained quite stable at 80%, largely due to adsorption and biodegradation. On the other hand,
the concentration of 4-ketoCP was higher in the reactor than in the feed, and its removal efficiency
decreased from day 35 to day 66 largely due to the conversion of CP to its metabolite 4-ketoCP
indicating further downstream treatment may be required.

In another study, CP was removed up to 80% in a pilot-scale crossflow MBR from urban effluents.
However, toxicity was observed in the effluent stream, indicating that further post-treatment is required
to eliminate effluent toxicity [124]. On the other hand, insignificant removal of CP (≈20%) was observed
in the effluents of hospital wastewater treated in a pilot-scale MBR, though, no reason was given for
its low removal efficiency [125]. The cause could be due to the fouling of the membranes in MBR as
observed during the removal of CP by Avella et al. [126]. The transmembrane pressure increased
significantly (3-fold increase) due to fouling of the membrane as CP was added to the urban wastewater.
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The increased fouling was possibly due to increased exopolysaccharide or other microbial product
synthesis caused by stress due to the presence of CP [127].

In a more recent study, the removal efficiency of eight ANP drugs was investigated in an
anaerobic osmotic MBR (AnOMBR) [128]. AnOMBR is an innovative technology that combines
biological treatment with forward osmosis (FO) under anaerobic conditions [129]. AnOMBR is highly
efficient because of its low energy demand, high organic loading, and methane production [130].
Wang et al. [128] observed high removal rates (>95.6%) for all the eight investigated ANP drugs.
A high removal rate was ensured due to the high rejection of the FO membrane combined with the
extended organic retention time in the reactor. DOX, EPI, and TAM were almost eliminated through
adsorption, while MTX and CP were eliminated by biodegradation and FO rejection, respectively.
MTN, AZT, and Flutamide (FLT) were eliminated by both biodegradation and adsorption to anaerobic
sludge. However, there are disadvantages associated with AnOMBR as envisaged in the study by
Wu et al. [131]. In that study, it was observed that the presence of ANPs caused the inhibition of
microbial metabolism. At the same time, marginally changing microbial community’s composition,
while the extracellular polymeric substances (EPS) concentration was increased. The increased EPS
production caused severe biofouling and significantly increased transmembrane pressure.

The level of STP processing (primary, secondary, and tertiary treatment) is not mentioned in many
of the studies. Therefore, the removal efficiencies cannot be compared for the different studies reviewed
above. The concentrations and the removal rates of these ANPs (specifically the two alkylating agents)
vary significantly through the WWTPs worldwide, making it difficult to conclude if these compounds
are highly resistant or not to biological treatment. However, most of the available studies so far
indicated that the removal rates of these two alkylating agents through conventional processes are
lower than 65%, showing that there is a need for subsequent post-treatments.

Furthermore, when compared to STP-CAS systems, higher removal efficiency seems to be observed
in MBR systems in a lab- and pilot-scale. However, more studies on a larger scale are required to
provide more concrete and reliable finding regarding its efficiency and total operating costs for each
setup. In addition, more investigation is needed with regard to MBR effluents toxicity; though the
toxicity is expected to be low because of the filtration systems, however, more data is required to
confirm this hypothesis [93]. Moreover, it is also necessary to conduct microbial community analysis in
the presence of various ANP drugs to understand the influence of such drugs on the composition and
function of the microbial community. The removal of some regularly prescribed ANP drugs through
conventional biological processes is shown in Table 3.

Table 3. Biological degradation of some widely used ANP drugs.

ANP Drug
Type of Biological

Treatment
Mechanism of
Bioremediation

Initial
Concentration

(ng/L)

% Elimination
of the Parent

Drug
Reference

TAM
Fluidized bed

bioreactor (with
Trametes versicolor)

Intracellular
transformation
by cytochrome
P-450 system

970 91% [70]

IF CAS-STP a N.D. 16.4 45% [99]

FLT
Biotransformation by
Caenorhabditis elegans

Cytochrome
P450 mediated

oxidation
9 × 107 b 50% [67]

CP LSSTP c Biodegradation 6–143 >80% [25]

CPC STP Biodegradation 158 100% [98]

CTB CAS-STP N.D. N.D. 24% [19]

DOC CAS-STP Biodegradation
and sorption 65–219 ≈100% [112]
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Table 3. Cont.

ANP Drug
Type of Biological

Treatment
Mechanism of
Bioremediation

Initial
Concentration

(ng/L)

% Elimination
of the Parent

Drug
Reference

ETS CAS-STP N.D. 15 ng/L 77% [109]

VNB CAS-STP Non-biodegradable <LOD d 0% e [110]

PAC CAS-STP Biodegradation
and sorption <LOD-18 100% [112]

GEM CAS-STP Adsorption to
sewage sludge 840 40–79% [132]

BLC CAS-STP N.D. 11–19 - [133]

MTN AnOMBR f Adsorption and
biodegradation 100 100% [128]

5-FU eMBR g Biotransformation
and sorption 0–1.2 × 106 h >90% [134]

DOX CAS-STP Biodegradation 2.5–2.7 100% [96]

Notes: Tamoxifen: TAM; Ifosfamide: IF; Flutamide: FLT; Cyclophosphamide: CP; Capecitabine: CPC; Cytarabine:
CTB; Docetaxel: DOC; Etoposide: ETS; Vinorelbine: VNB; Paclitaxel: PAC; Gemcitabine: GEM; Bleomycin: BLC;
Mitotane: MTN; 5-Fluorouracil: 5-FU; Doxorubicin: DOX. a Conventional activated sludge type sewage treatment
plant; N.D. not determined in the study; b The experiment was conducted in a conical flask (5 mg flutamide dissolved
in 50 mL broth and 5 mL culture); c Laboratory scale sewage treatment plant; d Limit of detection; e vinorelbine
showed high concentration in effluent wastewater (up to 170 ng/L); f Anaerobic osmotic membrane bioreactor; g

External membrane bioreactor; h The concentration in the study was in range 0–1287 μg/L.

6. Removal of ANPs Using Abiotic Methods

As discussed earlier, the elimination of ANP agents by conventional wastewater treatment such
as CAS and MBR is often incomplete and inefficient. The reason is that some of these ANP drugs
are resistant to biodegradation, have low adsorption efficiency, and tend to generate TPs [21,135].
In addition, some researchers believe that despite excellent removal efficiency (>80%) of biological
methods, ANP agents might have adverse effects on all eukaryotic organisms even at deficient
concentrations due to their toxicological properties [1,22,40]. Further, due to the possibility of
occurrence of ANP drugs in potable water, their complete elimination is of high importance. In this
sense, abiotic treatment methods such as chemical, filtration, and other oxidation and advanced
oxidation treatments become essential as they can degrade numerous ANPs that are missed in
conventional wastewater treatment. Some of these abiotic methods are explained in brief in the
following sections.

6.1. Adsorption on Abiotic Surfaces

Various physical and chemical methods have been used for the remediation of ANP drugs.
Techniques such as adsorption, membrane filtration, and electrodialysis rely on the differences in
physico-chemical properties of ANP drugs [136,137]. Both polar and non-polar ANP agents in
aqueous systems such as wastewater effluents can be omitted by using activated carbon in powdered or
granulated forms. Chen et al. [138] analyzed the adsorption of three ANP drugs (Irinotecan (IRN), TAM,
and CP) on powdered activated carbon (PAC) [139]. They inferred an inverse relationship between
the hydrophobicity of the tested drugs and their adsorption on PAC with more hydrophobic drugs
(lower log Kow) showing better adsorption (Tamoxifen (log Kow = 6.30) > Irinotecan (log Kow = 3.73) >
Cyclophosphamide (log Kow = 0.63)). More hydrophobic compounds exhibited better adsorption.

However, adsorption cannot be chosen as a standalone approach in removing all ANPs because
of two reasons. (i) pH influences the hydrophobicity of ANPs due to which some ANPs may become
ionized, thereby minimizing their adsorption efficiency [19]. (ii) The calculation of hydrophobicity
is inaccurate or not possible in some cases. For instance, it is hard to know the hydrophobicity of
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protein-based ANPs; such as antibodies (ATC code L01XC) and recombinant proteins (ATC code
L01XE). The distribution equilibrium of macromolecules is also pH-dependent [19]. In general, polar
compounds with log Kow values < 1 should not adsorb to organic matters [4]. However, interactions
between polar compounds and organic matter by hydrophobic and ionic interactions cannot be
neglected. It is therefore recommended that any decontamination technique being developed should
consider the pH dependency of the drugs, including its ionizability, and physico-chemical parameters
that were stated earlier in Section 2.

6.2. Membrane Based Filtration Technologies

Membrane-based filtration and dialysis techniques such as reverse osmosis (RO), nanofiltration
(NF), ultrafiltration (UF), and electrodialysis have also been used for the removal of pharmaceutical
drugs from wastewater and have given ambiguous results [21,140–144]. NF was able to efficiently
remove (>90%) negatively charged pharmaceuticals while the removal efficiency of non-charged
pharmaceuticals varied widely (12% to 99%) [143]. Electrostatic exclusion was the main reason for
the removal of charged medicines, while size exclusion was the critical mechanism for the removal
of non-charged compounds [143]. Another study on the removal of CP by NF and RO membranes
demonstrated that CP was efficiently (>90%) removed when RO membrane was applied; however, only
20–40% removal of CP was observed when NF was operated [145]. The high elimination efficiency of
the RO membrane was seen under all operating conditions with no effect of changing trans-membrane
pressure, feed concentration, and water matrix on the removal rate. Though membrane-based filtration
technologies have shown some success in removal of ANP drugs, they suffer from two significant
drawbacks of membrane fouling and high maintenance cost due to the pressure-driven nature of these
technologies [21].

Another membrane-based technology tested for degradation of ANP agents is
electrodialysis [144,146]. Electrodialysis is a membrane-based process operated under the influence of
an electric field in which ions move across a semi-permeable membrane (cation exchange or anion
exchange). Electrodialysis can be used for source-based separation of residual drugs in urine in which the
concentrated stream contains salts, whereas the diluted stream is rich in pharmaceutical compounds [21].
Pronk et al. [144] conducted electrodialysis experiments and observed that the adsorption of drugs
depends on the ionic characteristics (acidic or basic), in addition to the hydrophobicity of the
compounds. The results indicated that compounds with greater hydrophobicity are easier to separate
through electrodialysis.

Studies on membrane filtration-based removal of ANPs are still insufficient, and no absolute
conclusions can be drawn based on the separation of a few pharmaceuticals evaluated under ideal
laboratory conditions. This warrants the need for further research in designing new membranes at
lower-costs and optimizing the system’s operating condition.

6.3. Chemical Treatments

Remediation using chemical treatments has been extensively applied in the past to treat ANP
wastes from hospitals but is losing popularity nowadays. Strong oxidizing (potassium permanganate
and sodium hypochlorite), and alkylating agents (hydrogen peroxide and Fenton reagent) are commonly
utilized chemicals [147–149]. The degradation ability of these chemicals depends mostly on the chemical
structure of the drugs, and the concentration of chemicals used. Additionally, the TPs formed by
chemical degradation can be mutagenic and toxic from some chemical treatments and benign from
others [147,149,150]. Hydrogen peroxide (30%, v/v) and Fenton reagent (30%, v/v) have been used to
degrade various ANP agents (e.g., idarubicin (IDA), DOX, EPI, pirarubicin (PIR), aclarubicin (ACL),
DAU, CP, IF, and melphalan (MEL)) [148,149]. DOX and DAU were degraded entirely after an hour
when using either sodium hypochlorite or Fenton reagent (a mixture of H2O2 and a ferrous salt), and
the TPs formed were found to be non-mutagenic. In the same study, treatment with 30% H2O2 led to
only partial degradation (68%) of DOX whereas complete degradation of daunorubicin was observed
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after 48 h of treatment [148]. However, similar studies conducted using Fenton reagent resulted
in the generation of mutagenic TPs during the degradation of MEL and DAU [149,151]. Therefore,
the mutagenicity of TPs generated by various chemical treatments should be tested irrespective of
treatment procedure used since the mutagenicity is mostly dependent on drug type. In addition to the
drug type, the drug preparation protocols have also affected the efficiency of chemical treatments in
many studies [149,150]. Hansel et al. [63] found that chemical degradation of CP by Fenton oxidation
in the presence of 5% Dextrose (D5%) generated mutagenic TPs, whereas in the absence of D5% no
mutagenic TPs were created.

Another limitation of chemical treatments is the need to quench and neutralize the pH after reaction
for subsequent mutagenicity tests. Furthermore, due to the risk of secondary contamination with toxic
chemicals used in ANP treatment, and the associated costs, scaling of these treatment methods is not
feasible. Due to this concern, future research efforts should be directed towards minimizing the use of
chemical treatment methods and developing an integrated technology that degrades ANP agents and
prevents them from causing irreparable damage to the aquatic and terrestrial ecosystem.

6.4. Decontamination Using Oxidation and Advanced Oxidation Methods

6.4.1. Oxidation Methods

Methods such as photolysis, photooxidation, ozonation, UV treatment are the most trending
oxidation methods used for degradation of ANPs [2,81,105,152]. Photolysis, i.e., sunlight-mediated
photodegradation may occurs via direct and indirect pathways: direct photolysis occurs through light
absorption by the chemical itself and leads to chemical bond cleavage. Indirect photolysis involves
light absorption by dissolved organic matter (DOM) such as nitrates, nitrites, and carbonates in the
aqueous environment, producing reactive species that react with target analytes (ANPs) [153].

Generally, natural attenuation under direct solar radiation cannot occur when a substance cannot
absorb radiation over 290 nm [154]. For example, results from direct photolysis experiments conducted
by Lin et al. [153], demonstrated that CP showed minimal to no absorbance in the 250–350 nm range
and did not show any signs of degradation even after 24 h of exposure to sunlight. 5-FU, on the other
hand, had a maximum absorbance at ≈265 nm and underwent direct photolysis with a half-life of
56 h [153]. During indirect photolysis, in the presence of nitrate (>5 mg/L) and significant amounts
of bicarbonate (close to 2 mM), 93% of 5-FU was rapidly removed (within one day) from the sample
tested, whereas CP showed minimal degradation. The degree of mineralization was another criterion
used in this study to test the efficacy of photolysis. The analysis of the degree of mineralization was
done through the determination of total organic carbon (TOC) which would increase if the drug reacts
and incorporates with the organic matrix. Further insight into the byproducts from both direct and
indirect photolysis of 5-FU revealed that photolytic degradation had transformed 5-FU into other
organic substances of unknown toxicity, with no mineralization even after 42 h of reaction time [153].
The high 5-FU degradation and lack of mineralization further implied that photoproducts of 5-FU are
likely to be less photolabile. Similar results were observed in other studies, where ANPs and other
pharmaceuticals have been found to undergo only photo-transformation (no mineralization), and the
TPs generated were less photolabile and more toxic [21,135,154]. These results challenge the validity
of the current understanding of sunlight photolysis and prompts us to investigate for other efficient
alternatives. Gomez et al. [155] have also shown the complexity of the photodegradation process of
5-FU, where a large number of photo-TPs were identified. This study also did not identify the toxicity
of photo-TPs formed. Franquet-Griell et al. [117] studied the UV-C light photolysis of 16 widely used
ANP drugs. They found that ANP drugs MEL, ETS, and prednisone (PDN) were completely eliminated
by UV-C light photolysis when all of these drugs were previously passed through hydrolysis and a
STP plant. The degradation was fast, and after 30 min of treatment none of these compounds were
detected. The fast degradation was possibly due to the presence of aromatic groups in these drugs that
absorbs UV light. Non-aromatic drugs such as MEG and CTB were still present at 18% and 40% of the
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initial concentration. IF and CP were the most refractory drugs that showed minimal degradation
even after 90 min. This suggests that if UV-C photolysis is the last step in treatment some drugs may
not be removed and could be discharged to surface waters.

Some other studies that used electro-Fenton oxidation [156] and photo-Fenton oxidation [157]
were able to almost completely remove refractory drug 5-FU. Electro-Fenton oxidation resulted in
complete degradation of 5-FU in 7 min. It was also noted that oxidation increased on increasing Fe2+

concentration to 0.2 mM. This was possibly because of larger production of OH• radicals at 0.2 mM.
Photo-Fenton oxidation achieved 98% degradation of 5-FU in 30 min. All the oxidation methods
discussed in this section show that a more advanced and integrated treatment procedure needs to
be designed depending on the whether the drugs are refractory, or whether they have aromatic side
chains or not.

6.4.2. Advanced Oxidation Methods

Advanced oxidation processes (AOPs) can be a suitable alternative, which could result in the
satisfactory elimination of ANPs. Some studies have investigated the degradation of ANP agents
such as 5-FU [81,105,158]; MTX [108], bortezomib (BRZ) [152] using primarily three different advanced
photooxidation processes (AOPs) individually as well in combination: UV/H2O2, UV/Fe2+/H2O2, and
UV/TiO2. Results indicated faster elimination of most of the 5-FU and MTX in all the irradiation
reactions. Treatment of 5-FU with UV/Fe2+/H2O2 and UV/TiO2 achieved the highest degree of
mineralization, whereas the lowest degree of mineralization was seen after treatment with UV/H2O2.
The low mineralization (with UV/H2O2) was due to the formation of per hydroxyl radicals [81].
The TPs formed during the reactions did not show positive indications for mutagenic effects but were
still toxic. However, in another AOP study conducted by Burleson and Chambers [159], the TPs
formed by ozonation of CP were more mutagenic than the parent compound. The implications of this
and other works, suggests that photolysis and AOPs, like other abiotic treatments, cannot achieve
complete ANP drug remediation. A potentially efficient alternative for ANP remediation is the use of
chemical and oxidation methodologies in association with biological treatments [160,161]. Biological
treatments use natural biological systems for drug degradation and are therefore more environmentally
safe. Though the integration of biological and AOP treatments appear encouraging, increasing
the biodegradability through either partial oxidation or as a post-treatment for the degradation
of persistent compounds [81], gives contradictory results. Biodegradability studies conducted by
Lutterbeck et al. [81], showed negligible biodegradation of 5-FU, and thus classified the compound as
not readily biodegradable. However, the compounds present in the photolytic mixture (mostly TPs)
obtained after UV/H2O2 treatment had a better biodegradability.

As observed in all these abiotic methods, all parent compounds were eliminated (either entirely
or partially) but the mixture of TPs formed was toxic and non-biodegradable in many cases (Table 4).
Highlights from some more studies on degradation/elimination of ANP drugs using various abiotic
methods are listed in Table 4. A schematic view of the existing biotic and abiotic methods of ANP
degradation is provided in Figure S1 of the Supplementary Information. The use of harsh chemicals
and advanced oxidation is costly and is not environmentally benign, and it may contribute to the
formation of other complex products that may be difficult to eliminate. It is therefore necessary to
design efficient and sustainable treatment technologies which includes both biotic and abiotic methods,
and which is environmentally friendly and is inexpensive. The next section of this review discusses
one such idea that incorporates energy generation to reduce total capital cost of remediation.
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7. Possible Strategies for Improved Remediation of ANP Waste Incorporating Thermophiles

Despite the strategies already undertaken to degrade ANP waste and considering the growing
concern on efficacious ANP waste disposal, there is an urgent need of developing a systematic, efficient,
and integrated degradation process for complete remediation of ANP waste (including its TPs and
human metabolites). The waste treatment technologies should be chosen to take into account the origin
and nature of waste, the degree of hazard attrition required, nature of TPs formed, and economics [170].
Many unexplored ideas could be used to degrade ANP waste and their TPs systematically. Some of the
strategies that could be of valuable importance and have not yet been used successfully are discussed
in brief in this section.

Treatment of high strength aqueous waste containing ANPs by integrating biotic and abiotic
treatment methods or a combination of these have been proposed in recent years [170,171]. For example,
when abiotic treatment methods such as UV/Ozonation was combined with biological treatment,
degradation efficiency of greater than 99% was achieved for CP and IF [27]. Other methods such as
source-based separation and treatment of urine [21], combined with an integrated abiotic and biotic
treatment downstream can be used to minimize the concentration of ANP waste in aquatic systems.
Source-based treatment of urine is separate collection and treatment of urine before discharging it
into the wastewater treatment plants [172]. Source-based separation of urine also contributes toward
reducing excessive nutrient release into downstream treatment plants thereby abating eutrophication,
increasing the treatment efficiency of settled wastewater by 60%, and ultimately increasing the life of
downstream treatment plants [21,173,174].

For enhanced biological transformation and mineralization of pharmaceuticals after urine
separation, membrane bioreactors (MBR) [27] can be employed that have the inherent ability to process
higher organic loading rates. If downstream waste treatment processes incorporating MBRs operate at
mesophilic temperatures, it will create a breeding ground for pathogens and other antibiotic-resistant
bacteria. To counter this concern, thermophilic decontamination techniques could be employed.
Thermophilic conditions have distinct advantages over mesophilic ones, such as high organic loading
and rapid removal rate of biodegradable substrates, ability to treat high strength aqueous wastes
from industrial facilities containing hazardous compounds constituting ANP agents, and potential for
minimal effluent discharge [170,175,176]. The role of thermophiles in ANP drug elimination has not
been explored much but owing to the benefits of thermophiles, an efficient integrated abiotic and biotic
treatment technology could employ thermophilic MBR systems for treatment of source separated urine
from hospital settings.

Apart from thermophilic MBRs, another approach to enhance the biodegradation could be the use of
electrochemical techniques. The electrochemical strategies provide clues for harnessing the thermophilic
electroactive microorganisms for mediating the detoxification of these ANP drugs. These systems
operate by applying external electrical energy for mediating the chemical transformation of these drugs.
Application of specific oxidation or reduction potential will aid in microbial oxidation/reduction of these
drugs at accelerated rates. Barisci et al. [177] reported an electrooxidation strategy for the degradation
of ANP drug carboplatin using differently mixed metal oxide and boron-doped diamond electrodes.
Experiments at different pH values showed that Ti/RuO2 anodes degraded ANP drug carboplatin up to
49% and 75% at pH 9 and 4, respectively. Another study Zhang et al. [178] examined the electrochemical
treatment of anticancer drugs wastewater containing 5-Fluoro-2-Methoxypyrimidine (5FMP) using a
tubular porous electrode electrocatalytic reactor. They found that increasing the flow rate improved
the removal efficiency of the 5FMP. Approximately 96.1% removal of 5FMP was observed after 180 min
at a flow rate of 0.31 L/min. This could be attributed to the fact that high flow rate enhanced the mass
transfer efficiency of the drug. Such examples of electrochemical methods give a strong background for
developing bio-electrochemical process employing thermophilic microorganisms for faster degradation
of ANP drugs. Figure 4 shows a possible integrated ANP waste decontamination methodology using
the techniques mentioned in this section.
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Figure 4. Proposed integrated ANP waste treatment methodology employing thermophiles.

8. Conclusions

This review summarizes the sources and occurrence of ANP drugs in the environment as well as
the methods currently being used for their remediation to address the present challenges and future
opportunities of these methods. Though these studies have explored the potential of biodegradation
of ANPs, however, specific issues related to the generation of TPs and epoxides have come to light
recently. For example, fungi in sewage treatment plants (STPs) generate epoxides by oxidizing
aromatic hydrocarbons that can have toxic effects on human and animal health [92,179]. The toxicity
and mutagenicity of the intermediate and degradation products are not reported in many of ANP
biodegradation studies. TPs can be sometimes more toxic than the parent compound, and therefore
toxicity studies should be conducted on TPs generated after biodegradation of the parent compound.
The need for environmentally safe remediation of ANP drugs has become a paramount concern due to
their increased production in the last decade. The highly toxic nature of ANP waste adversely affects
the terrestrial and aquatic life. The use of expensive and harsh abiotic techniques is not environmentally
friendly and often transforms the parent drug into recalcitrant TPs. Considering this, there is a need
to develop an efficient and environmentally friendly remediation method. Integration of biological
remediation with the non-biological techniques could be more sustainable and promising alternative
for the safe removal of ANP drugs. The use of thermophilic MBRs for treatment of source-separated
urine can also aid in safe-remediation of ANP drugs. Future strategies would require thorough
techno-economic evaluation before implementation at large scale waste removal plants. Improved
ANP degradation strategies will protect ground and surface water which in turn is crucial for the
human health and agricultural sector. This will maintain the quality of irrigation products and
restrict the entry of ANP waste in food cycle of higher eukaryotes, thus eliminating the chances of
ANP biomagnification.

Supplementary Materials: The following are available online at http://www.mdpi.com/2227-9717/8/7/747/s1,
Table S1: Raw data for global heat map on number of ANP drugs produced in 2004 and 2014 in select countries,
Table S2: Raw data on age standardized number of cancer cases per 100,000 people in select countries, Figure S1:
Schematic of existing methods of ANP degradation.
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87. Radjenović, J.; Petrović, M.; Barceló, D. Fate and distribution of pharmaceuticals in wastewater and sewage
sludge of the conventional activated sludge (CAS) and advanced membrane bioreactor (MBR) treatment.
Water Res. 2009, 43, 831–841. [CrossRef]

88. Chang, H.; Wan, Y.; Wu, S.; Fan, Z.; Hu, J. Occurrence of androgens and progestogens in wastewater treatment
plants and receiving river waters: Comparison to estrogens. Water Res. 2011, 45, 732–740. [CrossRef]

89. Fan, Z.; Wu, S.; Chang, H.; Hu, J. Behaviors of glucocorticoids, androgens and progestogens in a municipal
sewage treatment plant: Comparison to estrogens. Environ. Sci. Technol. 2011, 45, 2725–2733. [CrossRef]

90. Ortiz de García, S.; Pinto Pinto, G.; García Encina, P.; Irusta Mata, R. Consumption and occurrence of
pharmaceutical and personal care products in the aquatic environment in Spain. Sci. Total Environ. 2013, 444,
451–465. [CrossRef]

91. Gómez-Canela, C.; Santos, M.S.F.; Franquet-Griell, H.; Alves, A.; Ventura, F.; Lacorte, S. Predicted
Environmental Concentrations: A Useful Tool to Evaluate the Presence of Cytostatics in Surface Waters.
In Fate and Effects of Anticancer Drugs in the Environment; Heath, E., Isidori, M., Kosjek, T., Filipič, M., Eds.;
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