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A B S T R A C T   

A novel, circular economy-inspired approach for the “passive” (non-powered and reagent-free) treatment of dye-bearing effluent is presented. The treatment utilises 
the biogeochemical interaction of dye-bearing wastewater with hydrous ferric oxide (HFO) bearing sludges. The work presented demonstrates for the first time the 
reuse of HFO-rich waste sludges from potable water and mine water treatment. The waste was used directly without modification or reagent addition, as media/ 
substrate in simple flow-through reactors for the decolourisation and biodegradation of methyl orange (MO) and mixed dyes textile effluent. Three phases of 
exploratory proof of concept work were undertaken. Columns containing HFO sludges were challenged with solution of MO, and MO amended with glycerol (Phase 
I), MO in a synthetic textile effluent recipe (Phase II), and real mixed textile effluent containing a mixture of dyes (Phase III). After an initial lag period extensive 
decolourisation of dye was observed in all cases at rates comparable with pure strains and engineered bioreactor processes, with evidence of biodegradation beyond 
simple cleavage of the mono azo chromophore and mineralisation. The microbiology of the initial sludge samples in both cases exhibited a diverse range of iron 
oxidising and reducing bacteria. However, post experiment the microbiology of sludge evolved from being dominated by Proteobacteria to being dominated by 
Firmicutes. Distinct changes in the microbial community structure were observed in post-treatment MWTS and WTWS where genera capable of iron and sulphate 
reduction and/or aromatic amine degradation were identified. Average nitrogen removal rates for the columns ranged from 27.8 to 194 g/m3/day which is higher 
than engineered sequential anaerobic-aerobic bioreactor. Postulated mechanisms for the fast anaerobic decolourisation, biodegradation, and mineralisation of the 
dyes (as well nitrogen transformations) include various direct and indirect enzymatic and metabolic reactions, as well as reductive attack by continuously regen-
erated reductants such as Fe(II), HFO bound Fe(II), FeS, and HS− . The ability of iron reducers to degrade aromatic rings is also considered important in the further 
biodegradation and complete mineralisation of organic carbon. The study reveals that abundant and ubiquitous HFO-rich waste sludges, can be used without 
amendment, as a substrate in simple flow-through bioremediation system for the decolourisation and partial biodegradation of dyes in textile effluent.   

1. Introduction 

Dye-bearing wastewater arise from dye manufacture, the printing 
industry, and pharmaceuticals production. However, it is the globally 
important textile industry that consumes most dye. The cloth and yarn 
dyeing processes use 30–50 L/kg and 60 L/kg, respectively (Kant, 2012; 
Ananthashankar and AuthorAnonymous, 2013). The wastewater arising 
from dyeing and fabric finishing typically accounts for circa 15–25% of 
textile wastewater (Garg et al., 2020; Kant, 2012). The dye lost during 
the dyeing process is estimated around 10–25%, whilst the unused dye 

that is directly discharged accounts to 2–20% (Carmen and Daniel, 
2012). Dye-bearing textile wastewaters contain auxiliaries and sizing 
agents, and so are often highly alkaline, highly saline (Khalid et al., 
2012) with elevated nitrogen concentrations because of urea and 
ammonia utilization (Chan et al., 2009). More than 50% of the estimated 
280,000 tons of dyes discharged annually are azo dyes (Kalyani et al., 
2009). Textile industries are economically significant and important in 
countries including the EU, China, Bangladesh, Vietnam, Sri Lanka, 
Mauritius, India, Turkey, and Nigeria (Khalid et al., 2012; Anantha-
shankar and AuthorAnonymous, 2013). In some cases, factories lack any 
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kind of effluent treatment plant. Treatment of dye-bearing wastewaters 
that is low-cost, sustainable, and appropriate to the economic setting are 
desirable. 

Conventional wastewater treatment technologies are successfully 
applied for the treatment of dye-bearing textile wastewater. These 
include combinations of physical, and chemical unit operations, such as 
coagulation, electrocoagulation, adsorption, and advanced oxidation 
processes. These processes are expensive in terms of capital and opera-
tional costs, utilising expensive reagents, each with their own carbon 
footprint and generate secondary waste products such as sludge 
requiring management (Van Der Zee and Villaverde, 2005). Further-
more, they often require complex procedures and specialist knowledge. 
Biological approaches are comparatively inexpensive (Van Der Zee and 
Villaverde, 2005) and include anaerobic hydrolysis acidification, anae-
robic/aerobic (A/O) or anaerobic/anoxic/aerobic (A2O) processes 
(Chen et al., 2019). However, these still require sophisticated process 
biotechnological control. As such, despite the existence of these estab-
lished technologies, triple bottom line considerations, sustainable 
development goals, the continuing release of pollution (Mia et al., 
2019), as well as the specific economic context continue to drive 
research into novel treatment methods. 

“Passive” treatment methods (cf. “passive mine water treatment”) 
involve methods with no continuous input of treatment reagents or 
energy, typically relying on natural microbiology (e.g. (Khandare and 
Govindwar, 2015),). Examples include treatment wetlands, phytor-
emediation, and simple flow through media bioreactors and/or photo-
reactors. Generally biological treatment involves anaerobic cleavage of 
the dye, followed by complete mineralisation under aerobic conditions. 
The limited success of passive methods explored to date, that remove 
between 50 and 80% with retention times of 7–10 days (Dhaouefi et al., 
2018; Yaseen and Scholz, 2018) may partly be due to the lack of 
anaerobic stage. 

Biogeochemical cycling has been recognised in the degradation of 
recalcitrant contaminants in wetland systems (e.g. (Han et al., 2020)) 
and implicated in the biodegradation of organic contaminants including 
BTEX, nitroaromatics, and dyes (Oon et al., 2018; Teramoto and Chang, 
2019; Venosa and Zhu, 2003; Vymazal, 2007, 2013; Yadav et al., 2012). 
Iron oxides have been shown to have an important role in biodegrada-
tion of azo dyes promoting sulphate reducing bacteria, iron-reducing 
bacteria, and/or other microbes (Albuquerque et al., 2005; Li et al., 
2017; Yu et al., 2016; Zhang et al., 2012). In the present study, waste 
hydrous ferric oxide (HFO)-bearing sludges and their extant microbial 
communities (hereon in ‘HFO sludge’) were utilised as substrate in a 
simple flow through system for assessment of dye biodegradation. These 
HFO sludges are common wastes arising from potable water treatment 
(the iron arising from the water/groundwater source itself, and/or 
added as coagulant), mine water treatment, and agricultural drainage 
(Bailey et al., 2013; Baken et al., 2013; R.E.Redmann, 1978; van Beek 
et al., 2020). With these sludges typically being landfilled, there are 
opportunities to develop industrial symbiotic and circular economy 
options for their reuse. 

The present investigation was divided into three phases of work, with 
the aim of each phase as follows: Phase I, to determine whether the HFO 
sludge could degrade a simple azo dye, with Methyl Orange (MO) as a 
model, with and without additional labile carbon (glycerol) and to 
determine the influence of microbiology by comparing degradation with 
autoclaved controls; Phase II, to determine MO decolourisation and 
biodegradation under more challenging conditions of simulated textile 
effluent and low residence time; and Phase III, to determine the ability of 
HFO sludges to degrade and bioremediate real textile wastewater. 

2. Materials and methods 

2.1. HFO sludge collection and characterisation 

Mine water treatment sludge (MWTS) was collected at a passive mine 
water treatment system located at the site of the former Lindsay colliery 
in Capel Hendre, Carmarthenshire, South Wales, UK. Common to most 
of the passive treatment system treating circumneutral, ferruginous coal 
mine water, the treatment system comprises of aeration cascades, 
settling ponds, and constructed wetlands. MWTS was collected from the 
bottom of the aeration cascade. Potable water treatment works sludge 
(WTWS) was collected from Hirwaun water treatment works in South 
Wales. The sludge was collected by bucket dipping from the sludge 
holding tank which holds HFO sludges from the site operations. Sludge 
samples were homogenised through hand-mixing and left to settle for 
48 h, after which excess water was decanted. Sub-samples were taken 
and frozen at − 80 ◦C for microbiological community analyses. The 
remaining wet sludge was stored at 4 ◦C prior to use. Chemical char-
acterisation of both the sludges was undertaken by digesting ~0.1 g of 
the dried MWTS/WTWS in 6 mL aqua regia in a PTFE-lined ceramic 
vessel using a Multiwave 3000 (Anton Parr) microwave and analysed by 
ICP-OES (PerkinElmer Optima 2100). Total Carbon (TC) and total 
organic carbon (TOC) was measured using Total Organic Carbon ana-
lyser (TOC-V CSH (Shimadzu)). Dry weight, bulk density, dry density, 
specific gravity, and void ratio were determined according to BS 
1377–2:1990. Mineral characterisation and sequential extraction data 
were supplemented from Roberts (2018). 

2.2. Methyl orange measurement and sludge sorption capacity 

All chemicals, standards, and reagents used in this work were pur-
chased from Sigma Aldrich and Fisher Scientific. Methyl Orange (MO) 
was used as the model azo dye in Phase I and II of the experiments. Batch 
adsorption experiments were undertaken to determine the sorption ca-
pacity of MWTS HFO with respect to MO. Abiotic controls in which the 
MWTS was autoclaved at 121 ◦C, 15 PSI for 30 min (Prestige Medical 
2100) and then gently dried at 40 ◦C for 48 h, were also run to exclude 
biological influence. Experiments were conducted using ~1.0 g of 
adsorbent in 100 mL MO solution under shaking conditions (150 rpm) at 
15 ◦C and samples periodically withdrawn for analyses. A linear sorption 
response was found (Figure S1). The impact of background chemistry on 
adsorption capacity was determined using a single data point at 15 mg/ 
L. 

2.3. Column experiments 

2.3.1. Phase I 
Eight cylindrical acrylic columns (2.6 cm × 20 cm) were fabricated 

and stoppered at each end with bored rubber bungs with a quick fit 
adapter to connect plastic tubing. The columns were loaded with 128 g 
of wet MWTS, and glass wool was used to support and pack the 
remaining column void. Four of the columns were packed with live (L) 
unadulterated sludge, while the other four contained autoclaved (D) 
sludge (121 ◦C, at 15 PSI for 30 min: abiotic controls). Two types of 
influents were used: 15 mg/L MO prepared in deionised water (MO), and 
15 mg/L MO amended with 0.46 g/L glycerol (MO + GA) (Roberts, 
2018). The columns were set up in duplicates as biotic with either MO 
(L) or MO + GA (L + G) as influents or abiotic with MO (D) or MO + GA 
(D + G) as influents. An eight-cassette peristaltic pump (used in this and 
all subsequent phases) was used to feed each column at a flow rate of 
100 mL/day for 170 days, resulting in an Empty Bed Contact Time 
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(EBCT) of 24.19 h and a nominal Hydraulic Retention Time (HRT) of 
22.92 h (Table 2). Laboratory temperature was monitored continuously 
(HANNA; HI141AH). Fig. 1 depicts the experimental setup for Phase 1. 
Effluent samples were collected daily. Concentrations of MO and Fe(II) 
were determined in column effluents daily (section 2.4), along with pH, 
electrical conductivity, redox potential, TC/TOC, and other elements as 
described in subsequent sections. 

2.3.2. Phase II 
Phase II also used MWTS as column media. Columns were fed with 

synthetic textile wastewater prepared according to O’Neill et al. (O’Neill 
et al., 2000). Briefly: One litre of deionised water contained 2.8 g 
modified starch, 530 mg acetic acid, 15 mg modified MO, 0.15 g NaCl, 
0.23 g NH4Cl, 0.28 g (NH4)2SO4, 0.123 g Na3PO4.12H2O, 0.038 g 
Na2HPO4, 2 g NaHCO3. Both starch and dye were modified according to 
O’Neill et al. (O’Neill et al., 2000). This solution was amended with 1 mL 
of trace elements solution prepared as follows: 5 g FeSO4.7H2O, 0.0011g 
ZnSO4.7H2O, 0.1 g MnCl2.4H2O, 0.392 g CuSO4.5H2O, 0.248 g Co 
(NO3)2.6H2O, 0.0177 g NaB4O7.10H2O, and 0.025 g NiCl2, per litre of 
water. Acrylic cylinders (2.5 × 10 cm) with screw top/bottom and 
inlet/outlet nozzles were packed with 28 g of MWTS using glass wool to 

Table 1 
Review of various studies on methyl orange (MO) dye degradation in comparison to the present study.  

Technique Decolourisation % Parameters Notes Reference 

Anaerobic columns with HFO 
sludges; Phase I -MWTS 
autoclaved (D) or alive (L), with 
or without glycerol; 

L + G- 95%; L- 92%; 
D + G- 90%; D- 50% 

MO 15 mg/L HRT 22.8 h, T 15 ◦C, pH 
5.5–8.0 

HFO sludges present a good media for decolourisation 
of dye; sophisticated analysis of degradation product; 
effect of addition of additional carbon source 
determined; the role of indigenous microbial 
communities in dye decolourisation determined 

Present study 

Anaerobic columns with HFO 
sludges; Phase II – MWTS 

98.9%; MO 15 mg/L containing synthetic textile 
wastewater; HRT 1.66 h, T 15 ◦C, pH 7.0; 

Anaerobic columns with HFO 
sludges; Phase III- MWTS (M), 
WTWS (W), MWTS + WWS 
(MX) 

M- 72%, W- 67%, MX- 
82% 

Real textile wastewater used as influent; 
HRT ~ 5 h, T 15 ◦C; pH ~ 10.0 

Anaerobic sequencing batch 
reactors 

Partial 
decolourisation 

MO 20 mg/L, sludge adsorption capacity 
36 mg/g, adsorption contact time 10 
min, pre acclimatising for 89 days, HRT 
8–12 h, T 30 ◦C 

Additional carbon source added; aromatic amines 
generated; HPLC and GC analysis 

Yu et al. 
(2011) 

Anaerobic sludge substrate from 
wastewater 

90–96% MO 50–150 mg/L, ORP -158 to − 200 
mV, pre- acclimatising 28 days, RT 24 h, 
at room temperature 

Additional carbon source added; aromatic amines 
generated; spectrophotometer analysis 

Murali et al. 
(2013a) 

Integrated anaerobic- aerobic 
biofilm by activated 
wastewater sludge 

95% MO 50–300 mg/L, coconut fibre 
adsorption capacity 1.20 mg/g, ORP 
-100 to − 169 mV, pre-acclimatisation 72 
days, HRT 24 h 

Additional carbon source added; aromatic amines 
generated; GC-MS spectrophotometer analysis 

Murali et al. 
(2013b) 

Anaerobic Shewanella oneidensis 80% MO 100 mg/L, RT 16 h, T 30 ◦C, 
adsorption data neglected 

Additional carbon source added; aromatic amines 
generated; HPLC-MS analysis 

Cai et al. 
(2012) 

Anaerobic Kocuria rosea MTCC 
1532 

100% MO 10–70 mg/L, T 10–50 ◦C, RT 60 h Additional carbon source added; aromatic amines 
generated; FTIR and GC-MS analysis 

Parshetti et al. 
(2010) 

Anaerobic Aeromonas sp. strain 
DH-6 

100% MO 100 mg/L, pH 3.0–7.0, T 5–45 ◦C Additional carbon source added; aromatic amines 
generated; GC-MS and HPLC analysis 

Du et al. 
(2015) 

Anaerobic Pseudomonas putida 
mt2 using a batch system 

100% MO 500 mg/L, T 35 ◦C, pH 7.0–9.0, dye 
removal 7.50 mg/g, RT 60 h 

Additional carbon source added; aromatic amines 
generation not reported; spectrophotometry 
performed 

Thao et al. 
(2013) 

Anaerobic Klebsiella oxytoca using 
a batch system 

100% MO 32 mg/L, hematite, goethite Fe (III) 
was added as an electron acceptor, RT 
24 h, T 25 ◦C 

Additional carbon source added; aromatic amines not 
generated; spectrophotometry performed 

Yu et al. 
(2015) 

Aerobic mixed- bacteria (E. coli 
and Enterobacter) batch system 

92% MO 20 mg/L, pH 8.0, T 37 ◦C, RT 1 h Additional carbon source added; aromatic amines not 
generation not reported; spectrophotometry 
performed 

Rumky (2013) 

Anaerobic baffled membrane 
bioreactor anaerobic 
wastewater sludge 

100% MO 50 mg/L, RT 23 h, pH 6.0–7.0 Additional carbon source added; aromatic amines not 
generated; LC-MS analysis 

Liu et al. 
(2018) 

Aerobic removal by bacterial 
consortium Sphingomonas 
paucimobilis, Bacillus cereus 

92% MO 750 mg/L, RT 48 h, pH 7, T 30 ◦C Additional carbon source added; aromatic amines not 
generated; FT-IR and NMR analysis 

Ayed et al. 
(2010) 

Anaerobic sludge 100% MO 70–300 mg/L, RT 12 h, T 30 ◦C Additional carbon source added; aromatic amines 
generated; HPLC and GC were used 

Yemashova 
et al. (2009)  

Table 2 
Operating parameters of bioremediation columns.  

Phase of 
study 

Column 
type 

Sludge 
(g) 

Flow 
rate 
(ml/ 
day) 

Number 
of days 

EBCT 
(h) 

NHRT 
(h) 

Phase I MWTS L 
+ G 

128 100 170 24.19 22.8 

MWTS L 
MWTS D 
+ G 
MWTS D 

Phase II MWTS 28 300 100 1.76 1.66 
Phase 

III 
MWTS 28 100 120 5.29 4.97 
WTWS 5.74 5.11 
MWTS +
WWS 

6.52 5.38 

MWTS- Mine water treatment sludge; L + G-live column fed with glycerol 
amended influent; L-live column; D + G-autoclaved columns fed with glycerol 
amended influent; D-autoclaved column; WTWS- water treatment works sludge; 
WWS- wastewater treatment sludge. 
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support and fill the void space. Columns were fed at a rate of 300 
mL/day, resulting in an EBCT of 1.76 h and a nominal HRT of 1.67 h, 
notably lower than most textile wastewater studies. Duplicate columns 
were operated for 100 days at 25 ◦C, and samples withdrawn every 10 
days to analyse various physical and chemical properties as per Phase I. 
SO4

2− , NO2
− , NO3

− , NH4
+, and Total Nitrogen (TN) were also determined, 

as described below (section 2.4). 

2.3.3. Phase III 
In Phase III of the experiments, MWTS and WTWS were used as 

column substrates. The influent used was real textile wastewater sup-
plied by a cotton dyeing company and was stored at 4 ◦C until use. The 
wastewater was collected from the waste tank, which received dye 
wastewater from many processes, thus its exact composition is un-
known. However, the various types of dyes and chemical compounds in 
use in the factory are given in Table S3. The effluent was characterised 
using the methods detailed herein and these are reported in Table S4. 
The columns were prepared as described above (2.3.2) and were packed 
with MWTS, WTWS, and MWTS mixed with autoclaved wastewater 
treatment sludge (WWS) in the ratio 9:1 (MWTS + WWS). A peristaltic 
pump was used to feed the columns with 100 mL/day for 120 days, 
giving an EBCT of 5.3 h for MWTS columns, 6.5 h for MWTS + WWS 
columns, and 5.7 h for WTWS columns. The nominal HRT for MWTS, 
MWTS + WWS, and WTWS obtained were 5.0 h, 5.4 h, and 5.1 h, 
respectively. The treated effluent was collected and characterised every 
10 days, as in Phase I and II, supplemented with COD analysis. 

2.3.4. Physico-chemical analysis of column effluents 
pH, EC, dissolved oxygen (DO), and redox potential were measured 

using calibrated Mettler Toledo probes (InLab™ Expert Pro/LE703/605- 
ISM/InlabTM Redox ORP respectively). Inductively Coupled Plasma 
Optical Emission Spectrometer (ICP-OES; PerkinElmer Optima 2100DV) 
was used for selected elemental analyses on acidified samples (stored at 
4 ◦C) after calibration with three commercial standards covering the 
detection range of the expected concentration for individual elements. A 
HACH DR900 colourimeter was used to determine concentrations (with 
dilutions as necessary) of ferrous iron (Fe(II)) (phenanthroline method), 
sulphate (SulfaVer reagent pillows), ammonium-nitrogen (Salicylate 
method), and COD (LC1400 COD cuvette test kit). Nitrite and nitrate 
analysis was carried out using the ICS-2000 ion chromatography system 
equipped with the AS18 detection column (maintained at 30 ◦C, total 
flow rate was 1 mL/min, an applied current of 57 mA, and an injection 
volume of 20 μL). 

2.4. Degradation product analyses: spectrophotometry, LC-MS, and GC- 
MS 

UV–Visible spectrophotometry (Hitachi, H-1900) was used to 
determine MO concentrations in deionised water (>18 MΩ) after 
filtration (0.45 μm filters). A linear 6-point calibration curve was ob-
tained (r2 > 0.99) using wavelength of 464 nm for MO (λmax for the MO 
chromophore) (Jamshidi and Manteghi, 2020; Reeves et al., 1973). 
Calibration curves at pH 4.0 and pH 8.0 demonstrated a small difference 
and the response at pH 8.0 was used for MO concentration de-
terminations. Dye degradation/adsorption was indicated by a decrease 
in absorbance of the effluent at 464 nm (λmax). 

Influent and effluents of the last week of the column experiments 
were analysed for degradation products using liquid chromatography- 
mass spectrometry (LC-MS). Waters LCT premier XE (ES/APCI ionisa-
tion) LC-MS was used for Phase I and II (operating condition reported in 
Table S5). ChemDraw software was used to analyse LC-MS data based on 
the m/z obtained to predict the chemical structure. 

For Phase III, the samples were analysed using a LTQ Orbitrap XL 2 in 
both positive and negative mode (see Table S6). RemoteAnalyzer soft-
ware was used to calculate the theoretical m/z values for all the possible 
compositions of carbon, hydrogen, oxygen, nitrogen, sulphur, and so-
dium in the chemical structure. A Clarus 500 GC-MS (PerkinElmer) 
equipped with a TurboMatrix head sampler HS 40/110 trap and Rtx-5 
and amine fused silica columns (Crossband 5% diphenyl/95% 
dimethyl polysiloxane; RESTEK) was used to analyse effluent for the 
presence of dye degradation products (see section S1.1). 

2.5. Microbial analysis 

DNA was extracted from both the pre-test and the post-test HFO 
sludges using the “Fast DNA® SPIN Kit for Soil” (MP Biomedicals, Solon, 
OH, USA) as per the instruction manual, with slight modifications ac-
cording to Webster at al. (Webster et al., 2003). The extracted DNA was 
quantified using the Qubit dsDNA assay kit (Invitrogen, Carlsbad, CA, 
USA) on the Qubit fluorimeter 3.0. 

Next-generation sequencing (NGS) of bacterial and archaeal 16S 
rRNA genes was done on the Illumina MiSeq™ sequencer (Illumina, San 
Diego, CA, USA) following the EMP protocol (_1SIAP_ ; Caporaso et al., 
2012). 16S V4 amplification primers with suitable Illumina adaptors 
were used (515F: 5′–AATGATACGGCGACCACCGAGATCTACACTATG 
GTAATTGTGTGCCAGCMGCCGCGGTAA, 806R: 5′–CAAGCAGAAGACG 
GCATACGAGATAGTCAGTCAGCCGGACTACHVGGGTWTCTAAT). The 
data generated by Illumina sequencing was analysed by QIIME v.1.8 
(Caporaso et al., 2010). Sequence data was simultaneously 

Fig. 1. Schematic of the phase 1 of the experimental 
set up. Methyl Orange (MO) and MO amended with 
glycerol (MO + G) were used as influents. Acrylic 
columns were packed with either fresh live MWTS (L) 
or autoclaved MWTS (D). These columns were fed 
with the influent via a peristaltic pump, and the ef-
fluents were collected in collection chambers labelled 
as L + G (live sludge fed with MO + G), L (live sludge 
fed with MO), D + G (autoclaved sludge fed with MO 
+ G), and D (autoclaved sludge fed with MO). (For 
interpretation of the references to colour in this figure 
legend, the reader is referred to the Web version of 
this article.)   
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demultiplexed and quality filtered using default parameters of the pro-
gram. The Operational Taxonomic Units (OTUs) were called using 
UCLUST with a 97% sequence similarity threshold. Taxonomy was then 
generated for the filtered sequences using BLAST and the SILVA 128 
database (Altschul et al., 1990). 

3. Results and discussion 

3.1. Physicochemical and sorption characterisation of HFO sludges 

The chemical and physical characteristics of the HFO sludges are 
given in Tables S1 and S2. The water content of MWTS, WTWS, and 
MWTS + WWS was 74%, 76%, and 80% respectively. MWTS exhibited a 
dry density of 2.87 g/cm3 which is lower than that of ferrihydrite (3.96 
g/cm3), likely due to the presence of clay mineral fines (Schwertmann 
et al., 2003) and is comparable to other ochres in the South Wales 
coalfield (c.f. (Barnes, 2008)). The WTWS and MWTS + WWS exhibited 
a dry density of 1.17 and 1.03 g/cm3, respectively. Fe was found to be 
the most abundant element (36.5% of DW) followed by Ca (1.8% of DW) 
in MWTS. WTWS on the other hand exhibited a lower Fe and Ca. 
Sequential extraction data indicated the majority of Fe to be in the easily 
reducible oxides and reducible oxides phases. XRD data indicated the 
presence of goethite, as well as a background peak at 35◦ 2θ corre-
sponding to amorphous ferrihydrite. A small undulation at 62.5◦ 2θ was 
also observed which can be attributed to 2-line ferrihydrite (Singh et al., 
2010). ~30% of the total iron was present within the ‘magnetite tar-
geted’ phase, however magnetite was not identified as a phase by XRD. 

The maximum MO removal due to adsorption from an initial 15 mg/ 
L MO solution was 3.25 mg/g at pH 8.0. There was no significant dif-
ference between the contact times 3 h or 24 h in adsorption of dye. This 
value is comparable but slightly lower than those for textile wastewater 
treatment plant sludge of 36 mg/g (Yu et al., 2011) and agricultural 
wastes such as wheat bran and hog plum peel, of 12.33 mg/g and 20 
mg/g, respectively (Alzaydien, 2015; Rumky, 2013). A maximum 
removal by sorption (in equilibrium with 15 mg/L MO) for each column 
was thus possible to be calculated from the sorption data and was 67.49 
mg. Removal of MO in the columns that exceeds this value is attributable 
to biodegradation (see following sections). 

3.2. Phase I 

3.2.1. Decolourisation and effluent chemistry 
The influent pH (4.5 ± 0.1) increased to ~pH 8.0 on passing through 

the MWTS column and this trend persisted throughout the experiment, 
except for L + G columns (Figure S2a). pH of L + G column changed to 
around pH 5.5 as the experiment progressed. The ambient temperature 
ranged between 10 ◦C and 24.5 ◦C, with an average of 15 ± 2.5 ◦C 
(Figure S2d). The redox potential for all the columns was approximately 
< -220 mV, indicating anaerobic conditions. 

MO decolourisation was observed in all columns. Table 3 gives the 
rate of removals and the efficiency exhibited by all the columns. The 
columns exhibited dye removal efficiency in the following order: L + G 

> L ≥ D + G > D, where L + G columns exhibited the highest decol-
ourisation efficiency (95%) and achieved the highest decolourisation 
rates (13.5 g/m3/day). The efficiency of MO degradation exhibited by L 
+ G columns is higher than those exhibited by other anaerobic sludge 
bioreactors or anaerobic fluidised bed (Murali et al., 2013a; Yu et al., 
2011), and comparable to single organism anaerobic degradation 
studies (Parshetti et al., 2010; Thao et al., 2013; Yu et al., 2016). Table 1 
exhibits comparison of various techniques and parameters used by this 
study to previous literature. 

L + G columns became efficient in dye removal within 10 days of 
operation, whilst the L columns took around 2 months to achieve a 
similar decolourisation efficiency. L columns demonstrated a peak dye 
removal efficiency of 92% by day 60, which decreased to 50% by the end 
of the experiment (Fig. 2). The lowest dye removal efficiency was 
exhibited by columns packed with autoclaved MWTS without glycerol 
(D- 9.76%) at the end of the experimental period. 

MO decolourisation was observed in all the columns from the 
inception of the experiments (Fig. 2), including the column packed with 
autoclaved media. This is consistent with removal by physicochemical 
sorption, as noted in the sorption experiment (Figure S1). Microbial 
decolourisation is thought unlikely in these early stages due to lack of 
acclimatisation time. In addition to sorption, the media may have con-
tained a number of reductants such as Fe(II), Fe(II)-bound HFO, FeS (e.g. 
(Barnes, 2008; Roberts, 2018)), and green rusts (Bearcock et al., 2006; 
Roberts, 2018) which may have contributed to the initial decolourisa-
tion through reduction of the azo bond (Feng et al., 2000; Kone et al., 
2009). As maximum removal of MO exceeded in all the cases (Table 1), 
adsorption cannot feasibly be the sole mechanism of MO removal. This 
implies biogeochemical removal mechanisms in addition to adsorption 
(cf. (Yu et al., 2011)) through which dye is decolourised enzymatically 
and indirectly through regeneration of reductants. 

Autoclaved columns (D) exhibited the lowest dye removal rates 
when compared to non-autoclaved counterparts (Table 3) further 
corroborating the role of microbes in decolourisation. The autoclaved 
column supplemented with glycerol (D + G) demonstrated better dye 
removal/decolourisation than the non-supplemented column (D), indi-
cating that additional carbon source stimulated decolourisation. The 
difference in decolourisation rates between the glycerol amended col-
umns (L + G and D + G) indicated that autoclaving deactivated species 
important for MO decolourisation, and the final microbial communities 
in each column were different (see Section 3.2.3 below). It is notable 
that the pH of the L + G columns after ~30 weeks decreased to pH 5.5, 
lower than all other columns (See Figure S2a). This is probably due to 
production of acids from the fermentative biodegradation of glycerol 
(Clomburg and Gonzalez, 2013). That this pH change was not seen in the 
D + G columns (despite an extant community identified) demonstrates 
that autoclaving curtails acid production (remaining ~ pH 8.0 – see 
Figure S2a), but not decolourisation activity. This suggests that dye 
decolourisation is not dependent on specific acid-producing metabolic 
pathways and that MO decolourisation is comparable at pH 5.5 and 8.0. 
Previous studies exhibited pH between 6.0 and 10.0 to be optimal for 
dye decolourisation (Guo et al., 2007; Kiliç et al., 2007). Aromatic 

Table 3 
Various physico-chemical parameters of the column effluents.  

Phase of study Column type Temp (◦C) DO (mg/l) ORP (mV) pH Dye removal rate (g/m3/day) Efficiency Total dye removed (mg) Fe2+ conc. (mg/l) 

Phase I MWTS L + G 15 ~8 − 220 5.5 ~13.0 95% 934.18 ~10 
MWTS L 15 ~8 − 220 8.0 ~13.0 92% 789.72 ~0.2 
MWTS D + G 15 ~8 − 220 8.0 ~12 73% 762.02 ~0.15 
MWTS D 15 ~8 − 220 8.0 ~9 54% 596.17 ~0.24 

Phase II MWTS 15 <0.1 ~-330 7.0 104 99% 164.49 ~1.39 
Phase III MWTS 15 <1.0 ND 8.5 ND 72% ND 0.5 

WTWS 15 <1.0 8.5 66% 0.9 
MWTS + WWS 15 <1.0 8.5 83% 0.8 

ND- Not determined; MWTS- Mine water treatment sludge; L + G-live column fed with glycerol amended influent; L-live column; D + G-autoclaved columns fed with 
glycerol amended influent; D-autoclaved column; WTWS- water treatment works sludge; WWS- wastewater treatment sludge. 
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amines, biodegradation products of azo dyes have been shown to in-
crease the pH of the medium (Willmott, 1998). 

Most interestingly, the L columns were able to decolourise the dyes 
to almost the same extent to the glycerol amended columns. Given that 
no other carbon source was added, this indicates that the microbial 
community can utilize MO and/or its breakdown products as electron 
donors in the system. In this system the continuous regeneration of azo 
reductants (e.g. Fe(II)) as products from iron reduction ensure continued 
MO decolourisation and resupply of MO breakdown products for 
continued iron reduction. 

Temperature plays an important role in obtaining optimum biodeg-
radation of the dye, as it influences the acclimatisation of the indigenous 
microbes and their enzyme activities (Saratale et al., 2011). Several 
studies have shown a higher temperature range between 35 and 40 ◦C 
for efficient biodegradation of dye (Guo et al., 2007; Wang et al., 2013). 
Although a lower temperature range between 15 and 30 ◦C was 
observed in this study (Figure S2d), higher rates of dye degradation were 
observed (See Tables 1 and 3). 

3.2.2. C and Fe dynamics 
TOC removal data for the columns showed that there was no sig-

nificant removal for columns L or D, suggesting complete mineralisation 
of MO to inorganic carbon. The L + G and D + G glycerol supplemented 
columns exhibited TOC removal, commensurate with glycerol mineral-
isation within the columns. TOC in the L + G and D + G columns fluc-
tuated between 204 and 165 mg/L and decreased to 140 mg/L. TC 
before and after in solid substrate did not increase (Table S1) indicating 
mineralisation to CO2/HCO3

−
(aq) rather than accumulation in column 

media. Interestingly, the difference in effluent pH between L + G and D 
+ G indicates different glycerol metabolism pathways and is reflected by 
differences in microbial community. The increase in TOC removal to-
wards the latter part of the experiment coincides with decreased dye 
decolourisation/removal in the D + G columns suggesting that the 
glycerol degraders were the predominant species involved in dye 
decolourisation. 

Iron released from MWTS into the effluent from L + G columns 
increased from 0 to 110 mg/L in the first two weeks, and thereafter 
fluctuated between 70 and 90 mg/L before reaching 120 mg/L total iron 
on day 170 (Figure S3a). Similarly, the release of Fe(II) was only 
observed in the effluent from L + G columns from day 1, peaking at 11 
mg/L at the end of the experiment, see Figure S4. It is important to note 
that all the soluble iron released initially will be in the form of Fe(II), 
which oxidises rapidly at circum-neutral pH explaining the discrepancy. 
The export of Fe from the columns is indicative of microbial Fe(III) 
reduction which is corroborated by the identification of iron reducing 
bacteria such as Geothrix and Geobacter in these columns Similarly, Fe(II) 
release corelated with the observed dye decolourisation which could be 
due to Fe (II) acting as electron donor and improving enzyme activity in 

anaerobic columns, thereby enhancing dye degradation (Liu et al., 2012; 
Zhang et al., 2011). However, the other column effluents exhibited a 
total Fe concentration <1 mg/L. Ferrous iron was not detectable in D +
G and D column effluents, while the L column effluents exhibited a Fe(II) 
concentration of 1 mg/L. The lower concentrations of Fe(II) in L column 
effluents may be due to sub-oxic conditions, oxidation of Fe(II), and 
precipitation of HFO, as indicated by the presence of Fe oxidising bac-
teria Gallionella. 

ORP of the column effluents fluctuated between − 170 mV and − 250 
mV (Figure S2c). The decrease in the oxidation-reduction potential is 
indicative of the reducing environment present in the columns amenable 
for iron reduction. 

3.2.3. Microbiology 
Useful dye degradation rates require acclimatisation of the indige-

nous consortia with dye and the harsh environment of the textile 
wastewater, along with optimal retention time, ideally more than the 
generation time of microbes (Comeau et al., 2016; Murali et al., 2013a). 
Several studies have shown that an acclimatisation of anywhere be-
tween 15 and 30 days increases the efficiency of the process to ~97% 
(Firmino et al., 2010; Thao et al., 2013; Zhang et al., 2012). In the 
present study, the acclimatisation time required by the indigenous 
MWTS consortia, in presence of an additional carbon source was 20 
days, which in the presence of dye as the sole C source increased to 60 
days. 

Next Generation Sequencing (NGS) was used to carry out community 
analysis in the pre and post treatment columns (Fig. 3a). The predomi-
nant domain during the study in all the pre and post treatment columns 
was Bacteria (99.3%). However, during Phase I after 170 days of dye 
treatment the relative abundance of Archaea increased to 8% in L + G 
columns, whilst it was below the detection limit in L, and D + G col-
umns. Crenarchaeota (0.59%) and Euryarchaeota (0.11%) were present 
in pre-test MWTS, of which Crenarchaeota could not be detected in any 
of the columns post treatment. Euryarchaeota, on the other hand 
exhibited an increase in relative abundance in L + G (7.93%) and L 
(0.93%) columns. Proteobacteria (63.84%) was the predominant bacte-
rial phylum in pre-experiment MWTS followed by Acidobacteria 
(Fig. 3b). In the presence of glycerol, Firmicutes (72.15%) became the 
predominant phylum as compared to 0.47% in pre-test MWTS columns. 
Autoclaved column with glycerol (D + G) exhibited an increase in Fir-
micutes (45.5%) and Proteobacteria decreased to 34.6%. In MWTS col-
umns without glycerol, Proteobacteria remained the predominant phyla 
followed by Acidobacteria (12.53%). 

Although the four classes of Proteobacteria were present in the pre- 
test MWTS column (Figure S4a), δ-Proteobacteria accounted for 
58.77% of the total Proteobacteria. While α-Proteobacteria could not be 
detected in L + G columns, the other classes of Proteobacteria also 
exhibited a decrease in relative abundance. MWTS column without 

Fig. 2. The dye removal rate (a) and the dye removal efficiency (b) exhibited by the columns in phase 1 of the study, where L + G (live sludge fed with MO + G), L 
(live sludge fed with MO), D + G (autoclaved sludge fed with MO + G), and D (autoclaved sludge fed with MO). 
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glycerol exhibited a relative increase in β-Proteobacteria and a slight 
decrease in δ-Proteobacteria. In both autoclaved columns with and 
without glycerol, the relative abundance of Proteobacteria was lower as 
compared to pre-test MWTS, however γ- Proteobacteria exhibited an in-
crease. Two distinguished classes of Acidobacteria were identified, viz., 
Holophagae and Acidobacteria-6 (Figure S4b). Acidobacteria-6 accounted 
for 83.33% of the total Acidobacteria present in the pre-test MWTS col-
umn. However, this class could not be detected in L + G, D, and D + G 
columns, which only exhibited the presence of Holophagae. Amongst 
these three columns, D + G exhibited the highest relative abundance of 
Holophagae, followed by L + G, and D + G. 

3.2.4. Degradation products and biodegradation pathways 
The λmax for methyl orange is 464 nm, while the influent exhibited 

two peaks at 290 nm and 464 nm. All the four types of columns used in 
phase I exhibited decolourisation of the wastewater (Fig. 4), as evident 
from the decrease in intensity of the peak at 464 nm. In fact, a complete 
disappearance of the dye chromophore peak was observed in the 
effluent of L + G columns. The MO peak at 290 nm remained unchanged 
from the influent in all the instances. The two commonly found MO 
degradation products reported in the literature, are 4-aminobenzene 
sulfonic acid (4-ABS) and N,N- dimethyl-p-phenylenediamine (N-DPD) 
(Yemashova and Kalyuzhnyi, 2006; Yu et al., 2011). To further establish 
dye degradation and not just decolourisation, the effluents were ana-
lysed spectrophotometrically between 200 nm and 700 nm and 
compared to 15 mg/L solutions of MO, 4-ABS, and N-DPD. Various 
studies have reported the presence of aromatic amines as an additional 
peak either at 226 nm or ~246 nm, post the cleavage of the azo bond 
(Cai et al., 2012; Murali et al., 2013a; Oturkar et al., 2011). However, no 
such additional peak was observed in any of the effluents, including the 

Fig. 3. Diversity of bacterial and archaeal 16S rRNA genes derived from columns in phase 1 of the study. (a) Relative abundance of microbes assigned at the phylum 
level in various column sludges post dye-degradation experiment. (b) Comparison of microbial diversity at the genus level in the sludge before and after dye- 
degradation. L + G (live sludge fed with MO + G), L (live sludge fed with MO), D + G (autoclaved sludge fed with MO + G), and D (autoclaved sludge fed with MO). 

Fig. 4. Spectrophotometric analysis of the phase one effluents after 170 days of 
experimentation along with 15 mg/L Methyl Orange (MO), 15 mg/L MO 
amended with glycerol (MO + GA), N, N-dimethyl-p-phenylenediamine (N- 
DPD), and 4-aminobenzene sulfonic acid (4-ABS). L + G (live sludge fed with 
MO + G), L (live sludge fed with MO), D + G (autoclaved sludge fed with MO +
G), and D (autoclaved sludge fed with MO). (For interpretation of the references 
to colour in this figure legend, the reader is referred to the Web version of 
this article.) 

P. Srivastava et al.                                                                                                                                                                                                                              



Journal of Environmental Management 317 (2022) 115332

8

effluents from D + G and D columns. Generation of aromatic amines is 
indicative of cleavage of the chromophore and may therefore be referred 
to as dye decolourisation, which is the usual fate of the dye during 
anaerobic textile wastewater treatment (Işik and Sponza, 2005; Kumar, 
1998). Since no additional peaks of aromatic amines were obtained, this 
would suggest azo bond cleavage and opening of the aromatic ring (cf. 
(He et al., 2004)). 

LC-MS and GC-MS were used to further characterise degradation 
products. MO in the influent wastewater eluted at 12.1–12.7 (or 10.9) 
min retention time (RT). This peak was absent in L + G column effluent, 
instead there were additional peaks observed at RT 10.2 min and 1.2 
min. In case of L column effluents, the peak corresponding to MO was 
completely absent, and degradation product peaks were observed at 1.2 
min. The intensity of the MO peak decreased in both the D + G and D 
column effluents, and an additional degradation product peak at RT 1.2 
min was observed (Figure S5). The mass to charge ratio obtained from 
the LC-MS data was used to decipher the chemical structures of the 
degradation products (Table S7). As with the UV–Vis analyses, the usual 
degradation products of azo dyes, aromatic amines, were not detected. 
To further confirm the absence of aromatic amines, GC-MS was carried 
out using an amine column (Figure S6; Table S8). The common degra-
dation product of MO, N-DPD could not be distinguished by GC-MS, 
while 4-ABS could not be identified as the boiling point of the com-
pound was out of the GC-MS column range (Cai et al., 2012). Some 
studies have reported the peak for N-DPD at RT 9.84 min (Cai et al., 

2012; Du et al., 2015; Parshetti et al., 2010), whilst some have observed 
it at RT 13.39 min (Murali et al., 2013a). Interestingly, a significant peak 
at RT 8.5 min was observed in L + G column effluent which can be 
attributed to 2 ethyl 1-hexanol (C8H18O) (Stein et al., 2011), its degra-
dation product ethyl hexanoic acid is a known product of aromatic ring 
cleavage during dye degradation (Zhu et al., 2018). This peak was not 
observed in the effluents from L, D, and D + G columns. Although N-DPD 
and 4-ABS are the most widely reported degradation intermediates, few 
studies have also exhibited generation of various different intermediary 
products (Fan et al., 2011; Hisaindee et al., 2013). 

Acetogenic Firmicutes such as Sporomusa and Acetobacterium were 
detected in the columns post treatment. These bacteria have been shown 
to degrade aromatic organic compounds (Delforno et al., 2016; Rosen-
berg et al., 2013) and may also be involved in the degradation of aro-
matic amines. The type of intermediates and the fate of the azo dye 
largely depends on the type of microorganism involved in biodegrada-
tion (Bheemaraddi et al., 2014; Chang et al., 2004). For instance, during 
a study on biodegradation of MO by Aeromonas sp., the aromatic amines 
generated at 12 h were found to be degraded by 24 h (Du et al., 2015). In 
another study on dye degradation in wetland, although 79% efficiency 
was reported in dye degradation, the indigenous consortia was unable to 
cleave the aromatic ring (Kadam et al., 2018). 

Using the m/z ratio obtained by LC-MS and the ChemDraw software, 
the structures of various degradation products were obtained. These are 
indicative of broken azo bond and cleaved aromatic ring. Surprisingly, 

Fig. 5. (a) TOC removal efficiency exhibited by the MWTS columns with respect to the dye removal rate when synthetic textile wastewater was used as the influent; 
(b) Total iron and ferrous ion concentration in the effluents from MWTS packed columns; (c) Changes in the Total Nitrogen (TN), NO2–N, NO3–N, and NH4

+-N 
concentrations with respect to COD concentration; (d) Sulphate concentration in the effluent from MWTS packed columns when synthetic textile wastewater was 
used as the influent. 
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distinct degradation products were also observed in effluents of auto-
claved MWTS columns (D + G and D), likely as a result of few autoclave 
resistant microorganisms. Firmicutes, spore generating phyla, detected in 
both D + G and D columns, have been shown to biodegrade azo dyes 
(Schuppert and Schink, 1990). 

Community analysis of the pre-test MWTS columns exhibited Pro-
teobacteria as the predominant bacterial phyla that was taken over by 
Firmicutes post treatment with MO. Previous studies have shown that a 
consortium comprising of Bacteroidetes, Proteobacteria, and Firmicutes 
can result in anaerobic azo dye biodegradation (Rasool et al., 2016). In 
fact, Proteobacteria have been shown to degrade azo dyes as sole carbon 
source (Coughlin et al., 1999; Govindaswami et al., 1993), and the 
addition of carbon source enhanced the rate of azo dye degradation by 
Firmicutes (Yu et al., 2015). Iron reducing bacteria Geothrix and Geo-
bacter were also identified in all the columns post treatment. Geothrix 
has been reported to be involved in iron reduction through both direct 
and indirect contact during MO degradation (Luu and Ramsay, 2003). 
Geobacter, an anaerobic iron reducing bacteria has been shown to 
mineralise organic aromatic contaminants (e− donor) to CO2, while 
reducing Fe(III) (e− acceptor) (Lovley et al., 1993). Clostridium present 
in both L + G and L columms, has been shown to utilize the electron 
shuttle mechanism to reduce iron anaerobically (Fuller et al., 2014). 
Pelosinus, an anaerobic bacterium that uses glycerol as the organic C 
source and reduces metals (De León et al., 2015; Moe et al., 2012) was 
present in both L + G and D + G columns. A diverse variety of micro-
organisms acting in concert is key in degradation of aromatic amines 
(Arora, 2015; Nigam et al., 1996). Natural habitats such as sludge waste 
and soil are feasible substrates for azo dye degradation due to the di-
versity in the indigenous species present (Yu et al., 2011). Thus, the 
microbial diversity of MWTS exhibited efficient azo dye mineralisation, 
with L + G being most efficient. 

3.3. Phase II 

3.3.1. Decolourisation and effluent chemistry 
The columns exhibited <50% dye removal in the first 10 days, as the 

experiment progressed the dye removal rate increased to 104.31 g/m3/ 
day exhibiting an efficiency of 98.97% (Fig. 5a). The effluent pH of the 
synthetic textile wastewater gradually declined from the influent value 
(pH 9.98) to pH 7.5 on day 20 and remained ~ pH 7.0 until the end of 
the experiment (Figure S7). Efficient textile wastewater treatment was 
observed between pH 6.5–10.0 (Chen et al., 2003). DO of the influent 
decreased from 3.47 mg/L on day 0 to almost 0 mg/L on day 20 and 
remained consistently <0.1 mg/L throughout the experiment. The 
temperature during Phase II averaged at ~15 ◦C. 

The decrease in pH to values of ~7.0 is reflective of biodegradation 
and the formation of carbonic and organics acids. Starch present in the 
synthetic textile wastewater may be broken down to acetic, propionic, 
and butyric acids during azo dye degradation (Amaral et al., 2014). 
Redox potential varied between − 250 mV and − 350 mV (Figure S7), 
which is lower than that observed in Phase I but common to many 
studies on anaerobic biodegradation of azo dyes (Amaral et al., 2014; 
Bromley-Challenor et al., 2000; Georgiou et al., 2004). 

The Phase II experiments took 30 days to reach 95–100% decol-
ourisation, the lack of immediate effect may be related to the shock and 
longer acclimatisation time in the more challenging simulated textile 
wastewater and the much shorter residence time than Phase I. There-
after, dye decolourisation increased to 100% for the duration of the 
experiment. This is promising as it shows when mixture of organics and 
nutrients are present, the dye biodegradation is fast and can be sustained 
even under high pH and saline conditions. 

3.3.2. C/Fe/N/S dynamics 
The influent synthetic textile wastewater exhibited a TOC of 1675 

mg/L. The TC removal efficiency by the columns was between 22%–47% 
(Fig. 5a), with the highest removal rate of 9.198 g/kg/day observed on 

day 60. The pre-test TC of 1.53% accounted for the solid column sub-
strate, which increased to 6.85% post-test (Fig. 8e), which could indicate 
filtration, also an important removal mechanism. Carbon removal rate 
has not been reported in majority of textile wastewater biodegradation 
studies. Several studies have reported that additional organic carbon 
source enhances the rate and efficiency of azo dye degradation (Anja-
neyulu et al., 2005; García-Martínez et al., 2015; O’Neill et al., 2000). 
Starch present in the synthetic textile wastewater may act as the electron 
donor that may support anaerobic dye mineralisation (Carmen and 
Daniel, 2012). 

Iron release in Phase II of the study was much lower as compared to 
that in phase I. There was a slow but steady increase in the concentration 
of total iron released in the effluent, which peaked at 4 mg/L on day 90. 
Similarly, the Fe(II) gradually increased from 0.3 mg/L on day 70 to 
1.84 mg/L on day 100 (Fig. 5b). Low Fe(II) may be due to the low sol-
ubility of Fe(OH)2, green rust, magnetite etc. at the observed elevated 
pH of the columns. 

Total nitrogen along with N–NH4
+, N–NO3

- , and N–NO2
- were moni-

tored over the course of experiment. The synthetic textile wastewater 
used for Phase II contained 119.5 mg/L NH4

+-N, 0.11 mg/L NO3
− -N, and 

121.5 mg/L total N. Nitrite increased to 17.5 ± 0.7 mg/L by day 20, 
while the NH4

+-N decreased to 40 ± 1.4 mg/L. NH4
+-N removal efficiency 

ranged between 2.5% and 47.8%. The total nitrogen removal rate by the 
end of the experiment was 381 mg/kg/day exhibiting a removal effi-
ciency of 46.5% (Fig. 5c). The nitrate concentration decreased in the 
first 20 days of the experiment indicating nitrification, with a simulta-
neous increase in nitrite concentration. Nitrification has been shown to 
occur during azo dye biodegradation when oxygen is available (Xiao 
et al., 2011). DO was seen to decrease only after day 20, which further 
supports the above. The presence of nitrite has been known to initiate 
ammonium oxidation (Annamox) (Isaka et al., 2007), which could be 
the reason behind the NH4

+-N removal trend observed in this study. 
Furthermore, the abundance of iron oxides in the sludge along with the 
nitrogen compounds may provide an amenable environment for anaer-
obic ammonium oxidation coupled to Fe(III) reduction. This process 
where NH4

+ oxidation occurs under iron reducing conditions, with iron 
oxide(s) serving as e− acceptor is known as Feammox and has been 
shown to be an efficient method of nitrogen treatment (Le et al., 2021; 
Tian and Yu, 2020; W. H. Yang et al., 2012). The Fe(II) concentration 
post day 70 exhibited an increase with a simultaneous increase in 
ammonium nitrogen removal. Fe(II) reaction with NO3

− and NO2
− has 

also been reported to result in chemodenitrification (Buchwald et al., 
2016) as too has FeS (Wei et al., 2017) and Fe(II) bound to HFO (Tai and 
Dempsey, 2009). 

Sulphate decreased from 200 mg/L to 100 mg/L in the effluent after 
day 40 (Fig. 5d). This is a clear evidence of sulphate reduction. The 
likely fate of HS− in the columns is reaction with HFO, forming iron 
monosulphides or reaction with the azo dye chromophore. Both HS− and 
FeS can act as reductants for azo dyes (Li et al., 2021). 

3.3.3. Microbiology 
Introduction of the simulated textile wastewater to MWTS reduced 

the indigenous bacterial diversity by 75%, and archaeal diversity by 
100%. The pre-dominant bacterial phyla in pre-test MWTS were Pro-
teobacteria (61.24%), followed by Acidobacteria (9.98%), and Chloroflexi 
(7.44%). Firmicutes comprised of only 0.42% of the bacterial diversity in 
pre-test MWTS. Unlike Phase I, Proteobacteria did not drastically 
decrease in post-MWTS columns. Similarly, the relative abundance of 
Firmicutes increased to 34.24% in post-MWTS Phase II columns, which is 
lower than that exhibited by L + G columns in Phase I. The remaining 
bacterial phyla in the post-MWTS columns were Bacteriodetes (7.92%), 
Actinobacteria (3.93%), and others (0.04%). The microbial community 
structure at genus level in pre-test MWTS samples was distinct from that 
of post-test MWTS samples (Fig. 6). 
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3.3.4. Degradation products and microbial pathways 
The synthetic textile wastewater used in Phase II of the study 

exhibited peaks in absorbance at 300 nm and 464 nm (Fig. 7a). The peak 
at 464 nm, attributed to MO, was absent in the effluent indicating 
decolourisation of the dye. The aromatic amine peak at 249 nm was not 
detected. LC-MS analysis was carried out to further detect the degra-
dation products (Figure S8). The influent exhibited peaks corresponding 
to MO at RT 16.8, 17.6, and 20 min. The intensities of these peaks 
decreased in the effluent, and three additional peaks were observed at 3, 
between 8 and 8.5, and between 13.8 and 14.6 min. Table S9 shows the 
degradation products of the synthetic textile wastewater as interpreted 

from the m/z and ChemDraw. Aromatic amines were not observed. 
MWTS exhibited a 97.98% efficiency in synthetic textile wastewater 

decolourisation in four weeks. Limited decolourisation occurred in the 
first month of the experiment. High sulphate concentrations have been 
shown to inhibit azo dye colour removal (Ganesh et al., 1994). Decrease 
in sulphate concentrations presumably due to the onset of sulphate 
reduction are coincident with improvements in the efficiency of dye 
decolourisation. Other studies have only exhibited such efficiency when 
anaerobic degradation was followed by aerobic treatment (García--
Martínez et al., 2015; Işik and Sponza, 2005). Efficient dye degradation 
is also dictated by the retention time, which was 1.66 h in this 

Fig. 6. Changes in microbial diversity at the genus level of MWTS before and after being exposed to synthetic textile wastewater.  

Fig. 7. Spectrophotometric analysis of (a) phase two effluents along with synthetic textile wastewater used as influent, N, N-dimethyl-p-phenylenediamine (N-DPD), 
and 4-aminobenzene sulfonic acid (4-ABS); (b) phase three effluents as compared to the real textile wastewater used as influent where MWTS is mine water treatment 
sludge, WTWS is water treatment works sludge, and MX is MWTS mixed with WWS (wastewater sludge) in a ratio of 9:1. 
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experiment. Furthermore, neither the MO peak at 464 nm, nor the peaks 
corresponding to aromatic amines (250–300 nm) were detected in the 
MTWS effluent, suggesting the decolourisation of the azo dye and 
further breakdown of cleavage products. 

As in Phase I, Proteobacteria was the predominant phyla in pre-test 
MWTS, however, post-treatment it remained the predominant phyla 
although there was a marginal decrease. This was closely followed by 
Firmicutes. Bacteria from these two phyla were effective in biodegrada-
tion of MO (Fig. 6). Plumb et al. (2001) found Proteobacteria and Fir-
micutes to be the primary phyla involved in azo dye degradation in an 
anaerobic reactor treating industrial dye effluent. Although Citrobacter, 
Enterococcus, Sporomusa, and Dysgonomonas were the predominant 
bacterial genera, Ochrobactrum, Brevundimonas, and Proteiniclasticum 
were also present in post-test MWTS. Citrobacter along with Enterococcus 
and Ochrobactrum have been shown to decolorise azo dyes (Khan et al., 

2014). Proteiniclasticum has been known to degrade both the azo dyes 
and the aromatic amines (Zhu et al., 2018), which would explain the 
absence of these intermediate products in this study. Similarly, Cit-
robacter has also been shown to degrade the intermediary products 
generated during azo dye degradation (Chung et al., 1978). Given the 
high iron content of the sludge, the presence of Sporomusa, known for its 
ability to reduce Fe(III) present in HFO (Igarashi and Kato, 2021), is not 
surprising. Enterococcus in concert with iron reducing bacteria such as 
Sporomusa, have been shown to reduce Fe(III) to Fe(II) and cleave the 
azo bond (Bafana et al., 2009; Chen et al., 2004). Thus, the microor-
ganisms present in post-test MWTS have previously shown capability for 
complete mineralisation of MO. 

Fig. 8. Dye removal efficiency with respect to the TOC removal efficiency exhibited by (a) MWTS, (b) WTWS, and (c) MWTS + WWS packed columns; (d) TOC 
removal rate exhibited by columns in phase three of the study when real textile wastewater was used as the influent; (e) Changes in the total carbon (TC) content of 
various sludges pre- and post-the experiment; (f) Changes in the total iron and ferrous ion concentration over the course of experiment. (MWTS- mine water treatment 
sludge; WTWS- water treatment works sludge; WWS- wastewater treatment sludge). 
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3.4. Phase III 

3.4.1. Decolourisation 
This phase used real textile wastewater which comprised a mixture 

of various dyes and chemicals and exhibited an alkaline pH, high COD, 
TDS, and salinity (high Na, K, Cl− , and SO4

2− ). HFO sludges MWTS and 
WTWS were used as column substrates in the following configuration: 
MWTS, WTWS, and MWTS + wastewater treatment sludge (WWS). 
Since the influent, i.e., the real textile wastewater was a mixture of dyes, 
it was imperative to determine the absorption maxima by spectropho-
tometry (see Fig. 7b). λmax was determined to be 464 nm and was used as 
the wavelength to indicate dye decolourisation. 

Prior to the actual decolourisation study, it was essential to test for 
dye adsorbed by MTWS, WTWS, and MWTS + WWS. Dye sorption may 
occur by diffusion, adsorption, or precipitation (Vadivelan & Vasanth 
Kumar, 2005). Once the active sites adsorbing the dye are saturated the 
dye sorption capacity declines (Doǧan et al., 2004). In preliminary 
testing, the column substrates exhibited negligible dye decolourisation 
due to sorption. This is attributed to the highly alkaline and saline nature 
of the real textile wastewater (Namasivayam and Arasi, 1997). Any dye 
decolourisation observed would thus be a result of biodegradation. 

The pH of the influent was 9.5 ± 0.2. Within first week of starting the 
reactors, the pH of MWTS columns dropped to 8.0, while WTWS and 
MWTS + WWS columns exhibited a pH of 8.1 and 9.1 respectively 
(Figure S9). Subsequently, the pH in all the columns remained at 8.5 ±
0.5. Studies on dye decolourisation using microorganisms have shown 
the process to occur either at highly alkaline or highly acidic conditions 
(Khan et al., 2014; Kiliç et al., 2007). The consistent pH observed may 
also suggest the absence of aromatic amines as biodegradation products 
because several studies have shown that generation of aromatic amines 
increases the pH of the effluent (Balapure et al., 2015; Wijetunga et al., 
2010). The real textile wastewater exhibited a DO of 10 ± 1 mg/L which 
changed to <1 mg/L and remained so until the end of the experiment 

(Figure S9d). The temperature during the experiment ranged between 
1 ◦C and 19.5 ◦C, with a slow increase to 15 ◦C (Figure S9). 

In the first 10 days of the experiment, MWTS and WTWS columns 
exhibited negligible decolourisation, while MWTS + WWS column 
exhibited an efficiency of 40% in dye removal. MWTS + WWS columns 
were found to be most efficient in dye decolourisation followed by 
MWTS, and then WTWS (MWTS + WWS ≫ MWTS > WTWS; Fig. 8). The 
lag exhibited in dye decolourisation is indicative of the time required for 
the indigenous microbiota to acclimatise to the harsh environment. 
Since WWS is nutrient rich, the lag exhibited is lower than that of MWTS 
and WTWS. In fact, MWTS + WWS columns decolourised 82.9% of 
influent dye wastewater without any additional carbon source. 

3.4.2. C/Fe/N/S dynamics 
Although MWTS + WWS columns appear to be more efficient in TC 

removal in the first few days, all the three columns exhibited a 50% 
removal efficiency by the end of the experiment. The amount of TC 
present in the column substrates post-experiment was also lower, sug-
gesting the mineralisation of C by the indigenous microorganisms 
(Fig. 8e). The real textile wastewater exhibited a TOC of 736 mg/L 
(Fig. 8a–d), which was actively mineralised as evident from the removal 
efficiency. The average mineralisation rate exhibited by these columns 
was 1250 g/m3/day. Some studies have shown that microorganisms 
may degrade dyes as sole carbon source while some need an additional 
carbon source (Stolz, 2001; Telke et al., 2009). Real textile wastewater is 
usually rich in starch which acts as electron donor and has been shown 
to boost dye denaturation under anaerobic conditions (Van Der Zee and 
Villaverde, 2005). While other studies have shown that an additional 
carbon source exhibit a minor influence on the dye mineralisation pro-
cess due to the competition of the additional carbon to be consumed 
rather than dye molecules (Saratale et al., 2011). 

The total iron concentration in the real textile wastewater used as 
influent was 0.11 mg/L, which increased to 3.33 mg/L by day 10 

Fig. 9. Changes in microbial diversity observed in various sludges and their mixtures before and after dye-degradation studies. (MWTS- mine water treatment sludge; 
WTWS- water treatment works sludge; MX- MWTS mixed with WWS (wastewater sludge) in a ratio of 9:1). 
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(Fig. 8f). The Fe(II) concentration in the WTWS effluent by the end of the 
experiment was 1.34 mg/L, which was higher than that exhibited by 
MWTS (0.51 mg/L) or MWTS + WWS (0.69 mg/L). It is noteworthy that 
Fe(II) solubility is limited in the pH range of the column effluents (pH 
8.5 ± 0.5). 

NH4
+-N, nitrate, and nitrite concentrations were determined in the 

influent and effluent to study the nitrogen transformations during dye 
biodegradation. Both MWTS and MWTS + WWS columns exhibited a 
dramatic decrease in NH4

+-N in the first 10 days, after which the decrease 
was very gradual (Figure S10a-c). However, by the end of the experi-
ment 95% of the NH4

+ was removed. The simultaneous decrease in NH4
+- 

N and increase in NO2
− suggests nitrification, where ammonia is oxidised 

to nitrite. DO data supports the nitrification in the first 30 days, after 
which the system became anoxic for the next 50 days followed by 
anaerobiosis for the next 40 days. The nitrite generated by the ammonia 
oxidising bacteria was further oxidised by nitrite oxidising bacteria to 
nitrate (Annamox (Texier et al., 2012)). The final step is denitrification, 
where the nitrate is reduced to N2, which requires anaerobic conditions 
(Texier et al., 2012). In Phase III, the sulphate concentration in the 
system largely remained unchanged through the course of the experi-
ment, suggesting that sulphate reduction did not occur (Figure S10d). 

3.4.3. Microbiology 
Microbial community analysis of MWTS columns post treatment 

with real textile wastewater exhibited a decrease in microbial diversity 
by ~71% as compared to pre-treatment MWTS columns. As in Phase I, 
Proteobacteria, which was the predominant bacterial phylum in pre-test 
columns, decreased by 50% in post-test MWTS columns. As the experi-
ment progressed, Firmicutes (67.09%) became the predominant bacterial 
phyla, followed by Proteobacteria. Fig. 9 shows the changes in bacterial 
diversity at genus level, pre- and post-treatment. 

WTWS columns, before the treatment with real textile wastewater, 
exhibited a much higher microbial diversity which was significantly 
distinct from the MWTS columns. Treatment with real textile waste-
water decreased the microbial diversity of WTWS columns by 53.85%. 
Proteobacteria (36.5%) were the predominant bacterial phyla pre-test 
and remained largely unaffected by the treatment with real textile 
wastewater. Firmicutes accounted for 50.91% of the entire bacterial di-
versity present in the post-WTWS columns. Fig. 9 shows the effect of the 
treatment of WTWS columns with real textile wastewater on the bac-
terial diversity at the genus level. 

Treatment of MWTS + WWS columns with real textile wastewater 
resulted in a relative decrease in abundance with respect to pre-test by 
40%. As in other columns, Proteobacteria (64.23%) was the predominant 
phylum, followed by Firmicutes (14.72%), Bacteroidetes (8.91%), Chlor-
oflexi (6.12%), and Actinobacteria (4.48%). Post treatment with real 
textile wastewater, Firmicutes (62.09%) proliferated in the columns and 
Proteobacteria decreased to 17.71%. Bacteroidetes increased marginally 
to 10.55% and Euryarchaeota that was not detected in the pre-test col-
umns were detected at 1.31%. The bacterial diversity of the post MWTS 
+ WWS columns at genus level (Fig. 9) was distinctly different from that 
of any other columns studied here. 

3.4.4. Degradation products and biodegradation pathways 
Real textile wastewater with unknown dye composition exhibited a 

sharp peak at 300 nm and two broad peaks between 410 nm and 620 nm. 
The peak at 300 nm remained unchanged for all the column effluents, 
however the other two broad peaks in the visible range were absent. The 
MWTS + WWS column exhibited the best decolourisation efficiency 
(Fig. 7b). Aromatic amines as degradation products were not detected as 
evident from the absence of additional peaks between 200 and 400 nm, 
suggesting the breakdown of aromatic amines into aliphatic hydrocar-
bons (He et al., 2004). As the exact dye composition of the influent was 
unknown both positive and negative LC-MS were used to study dye 
degradation. Peaks observed in the influent in both positive (8–20 min 
RT and 13–31 min RT) and negative (0–11 min RT) LC-MS were not 

observed in the effluents of MWTS, WTWS, and MWTS + WWS columns 
(Figure S11 and S12). The general intensity of the peaks observed in the 
influent was found to decrease by 50% in the effluents of all three col-
umns (as indicated by arrows in Figure S12). Peaks due to amine 
degradation products were not obtained, indicating not just dye decol-
ourisation but complete biodegradation of the dyes by all three columns. 

All the three columns exhibited the same trend in total iron content, 
whilst the Fe(II) was found to increase only marginally. Iron may have 
been reduced by organisms capable of iron reduction such as Alka-
liphilus, and other Firmicute species. Fe(II) generated may react with NO2

−

obtained during ammonia oxidation forming Fe(III) that precipitates in 
the column thus exhibiting a marginal increase in Fe(II) concentrations 
(Ottley et al., 1997).  

6Fe2+ + 2NO2
− + 8H2O → 6FeOOH + N2 + 10H+ (1) 

Proteobacteria was the pre-dominant bacterial phyla in all the pre-test 
HFO sludges, which were taken over by Firmicutes post treatment. 
Studies have shown azo dye mineralisation under anaerobic conditions 
by a bacterial consortium comprising of Firmicutes (Wang et al., 2018). 
Alkaliphilus, a Firmicute was found to increase drastically in the post-test 
column substrates. It is a spore forming, anaerobic, iron-reducing bac-
teria, that has been shown to be efficient in azo dye mineralisation (Yang 
et al., 2011). Similarly, Ochrobactrum, which is usually enriched in iron 
contaminated soil have been known to degrade azo dye in concert with 
other bacteria (Khan et al., 2014). 

In addition to iron-reducing bacteria, other genera such as Dethio-
bacter were observed. Representatives of this genus are known sulphate 
reducing bacteria found in iron rich soil (Sorokin et al., 2008). Protei-
niclasticum and Pseudomonas were both detected in the column sub-
strates and have been known to degrade both the azo bond and the 
intermediate aromatic amines to CO2 and H2O (Zhu et al., 2018). 
Agrobacterium present in MWTS and MWTS + WWS columns have been 
shown to degrade the aromatic amines produced during azo dye 
degradation (Silke et al., 1998). The presence of these genera supports 
the absence of aromatic amine peaks on the UV–Visible and the LC-MS 
scans. Nesterenkonia, detected in post-test WTWS are usually found in 
lake mud, and have been shown to cleave the azo bond at high pH and 
salinity (Bhattacharya et al., 2017). Natronobacillus, an anaerobic obli-
gately alkalophilic, highly salt-tolerant natranophile was identified in 
both MWTS and WTWS columns post treatment. Similarly, Exiguo-
bacterium and Alkalibacterium are halophilic and alkaliphilic bacterial 
genera present in the post-test columns, that have been shown to 
degrade azo dyes under hypersaline conditions (Forss et al., 2013). The 
real textile wastewater is highly alkaline and saline which would enrich 
these genera. Achromobacter and Corynebacterium found in post-test 
MWTS + WWS sludge are also known to degraded azo dye (Jin et al., 
2015). Enterococcus a facultative anaerobic bacterium, present in all the 
three columns post-test, uses azoreductase to degrade the azo dye (Punj 
and John, 2009). Trichococcus, a facultative anaerobe, has been shown 
to be the dominant genus detected during azo dye degradation under 
iron-reducing condition (Wang et al., 2018). The enrichment of 
iron-reducing bacterial genera and the affiliated microorganisms with 
the capability to degrade both the azo bond and aromatic amines 
resulting in complete dye mineralisation is evident in the post-test HFO 
sludges. 

3.5. Summary of feasible degradation mechanisms in HFO sludge reactors 

The results of the experimental work demonstrate that HFO-bearing 
wastes and the associated microbial community within the simple flow 
reactors can decolourise MO. This was achieved with MO as a sole 
electron donor and in simulated textile effluent at rates higher (sub-
stantially lower residence time and high removal efficiency) than com-
parable studies in the literature that utilised more engineered systems 
and sometimes unique strains. Furthermore, the HFO system not only 
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Fig. 10. Postulated mechanisms of complete dye degradation coupled with iron reduction: Iron reducing bacteria (Geothrix, Geobacter) present in HFO sludge reduce 
Fe(III) to Fe(II) that act as reductants for azo bond (eg. Trichococcus, Enterococcus in concert with Sporomusa). At the same time numerous bacteria were identified that 
are known to degrade azo bond using non-specific azo reductases and the resulting aromatic amines to CO2 and H2O (eg. Proteiniclasticum, Alkalibacterium). 
Nitrification associated with azo dye degradation induces ammonium oxidation which when coupled with dissimilatory iron reduction (DIRM) results in iron- 
mediated ammonia oxidation (FEAMMOX). This process also regenerates Fe(II) that further acts as reductant for azo bond cleavage. 

Table 4 
Summary of feasible biogeochemical routes to dye biodegradation in HFO-bearing column reactors.  

Active agent/species Production Mechanism of dye decolourisation and/or biodegradation Literature Example(s) 

Assorted bacteria Proliferation of bacteria under conditions within the 
columns  

• Direct reductive enzymatic attack via low specificity 
cytoplasmic azo reductases and/or release of electron 
shuttles 

•Nonspecific bioreduction using azo dyes as electron 
acceptors 
•Some bacteria reported to use azo chromophore as an 
electron acceptor 

See sections 
3.2.4, 3.3.4 and 3.4.4 
(Hong et al., 2007; Liu et al., 
2016; Singh et al., 2015) 

Fe-reducing bacteria •Oxidation of recalcitrant organics including aromatics 
coupled to HFO bioreduction 

Fe(II) Product of HFO bioreduction; reaction of HS− with 
HFO 

•Reductive attack cleaves chromophore (Bafana et al., 2011; Guo 
et al., 2010) 

FeOOH–Fe(II) Surface mediated bioreduction of HFO involving 
interfacial electron transfer 

•Species is a more powerful reductant than Fe(II) aq. 
Reductive attacks cleaves chromophore 

(Elsner et al., 2004; Tobler 
et al., 2007) 

FeS Product of reaction of HS− with HFO •Reductive attack cleaves chromophore  
HS− /H2S Product of bioreduction of sulphate associated with 

HFO or influent  
(Kim et al., 2008; Yoo, 2002) 

Bio- and bionanomagnetite Known reaction product of HFO bioreduction  e.g. (Pattrick et al., 2013) 
Green rust Known reaction product of HFO bioreduction  Kone et al., (2009) 
Electron shuttles and redox 

mediators 
Humic acids/organics present in WWS/or released 
from bacteria 

•Facilitation of bioreduction of HFO and chromophore (Guo et al., 2010; Liu et al., 
2011) 

Reactive Oxygen Species 
(especially OH− ) 

Produced by oxidation of Fe(II) and mineral-bound Fe 
(II) at redox boundary, hydroxy and superoxide radical 
OH. radical production upon reoxidation of Fe(II) 
degrades aromatic structures 

•Oxidative attack on organic compounds, degradation of 
aromatic ring 

Han et al., (2020)  
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led to cleavage of the chromophore, decolourising the dye but there was 
also clear evidence of further anaerobic biodegradation, as none of the 
cleaved MO products were detected in any of the systems. This is sig-
nificant because usually the aromatic amines generated by MO degra-
dation require degradation by aerobic treatment to less toxic compounds 
(Breithaupt et al., 2003; Brown and Hamburger, 1987; Ganesh et al., 
1994; Pandey et al., 2007). According to Pinheiro et al. (2004) “only a 
few of the studies on microbial azo dye reduction included a clear 
demonstration of total or partial, subsequent biodegradation of the 
resulting metabolites, aromatic amines”. 

The excellent results observed for dye degradation in the presence of 
HFO- sludges require further explanation, and there are many plausible 
biogeochemical reactions which could contribute to the decolourisation 
and further biodegradation of products (Fig. 10). Sections above high-
light the range of microbial species present which have known ability to 
either decolourise dyes (through non-specific azoreductase enzymes) or 
degrade recalcitrant organic species, breaking the aromatic ring. Many 
of these are iron-reducing organisms which would clearly be expected to 
thrive under anaerobic conditions and in the presence of an excess of 
reactive Fe(III) in the form of HFO. There are many other chemical 
species within the system which likely can decolourise, degrade, or 
mineralise azo dye and its breakdown products. These are summarised 
in Table 4. 

4. Conclusions 

This study demonstrates the decolourisation and biodegradation of 
methyl orange and mixed dyes from a real textile wastewater with HFO- 
bearing waste sludges arising from potable water and mine water 
treatment. Both the rates of decolourisation and the extent of anaerobic 
biodegradation in the HFO-bearing sludge system was remarkable, with 
evidence of aromatic ring cleavage and no analytical evidence of the 
commonly observed aromatic amines. HFO-sludges present an efficient 
biogeochemically poised system for anaerobic decolourisation and 
concurrent biodegradation of the dyes through combinations of both 
reductive and oxidative attack by consortia of bacteria including Fe- 
reducers and the associated organic and inorganic reductants gener-
ated in the HFO system. Biodegradation seen in all systems tested sug-
gests an indiscriminate biodegradation mechanism that might be widely 
applicable in dye-effluent treatment. The fact that these reactions 
occurred in a widely available common waste product in a simple 
packed bed reactor is highly advantageous as it would lead to their use in 
simple and sustainable passive treatment schemes for dye-bearing ef-
fluents. This may be particularly important to developing economies 
where the treatment of dye-bearing effluents has been limited. 
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