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Abstract
The University of Manchester
Tianming Wang
PhD
Hydrological and hydrochemical controls on mobility of natural organic matter,
iron and arsenic
2021

This project reviewed several recent studies conducted by the author that
investigated the important role of hydrological and hydrochemical conditions
in natural water in the mobility and fate of natural organic matter (NOM), iron
(Fe) and arsenic (As). NOM is a critical component in aquatic water as it has a
strong control on water chemistry and close association with global carbon (C)
cycle, mobility of nutrients (Fe)/pollutants (As) and water treatment. Thus, this
study aimed to investigate NOM in quantity and quality from peatland runoff
and explore how it was changed. Organic carbon (OC) fluxes were monitored
under baseflow and stormflow in uneroded and eroded sites during study
period. The data showed that OC flux was higher in the eroded site compared
to the uneroded site. NOM export from peatland was increased at a great rate
under stormflow with higher discharge (Q) in the eroded site. These
demonstrated that the loss and mobility of NOM in peatland is expected to be
aggravated by changed rainfall patterns and erosion. Considering that
increased aquatic NOM flux is the dominant driver of global warming through
greenhouse gas emissions (CO2), therefore, this study suggests that
increased NOM release have exacerbated the release of CO:2 to the
environment posing continuous degradation of global warming. In order to
reduce the loss of NOM and mitigate its negative impact on global C cycle, a

series of management practices should be considered.

Fe is found naturally in aquatic environments in diverse forms and is an
essential nutrient. The mobility and speciation of Fe relies on oxygen (D.O.)

and NOM. This project simulated the interaction between Fe and NOM under
13



different conditions in natural water (such as NOM content, pH, light,
temperature and mixing order of Fe, NOM and D.O.) to understand the
controls on Fe mobility in natural water. The results of this study showed that
NOM mainly affects the mobility of Fe by controlling size and oxidation state
of Fe. The mobility of Fe cannot be assumed to be that of a free aqueous ion
due to the generation of Fe particulates with multiple speciation (Fell or Felll
bound to NOM or Felll(hydr)oxide) by association with NOM. The mobility of
particulate Fe will be reduced and the extent of which is controlled by the
simulation conditions. The association of Fe with NOM is not low, which
affects Fe lability, specific surface area, speciation and therefore its evolution,

having important implications in nutrient availability.

Both NOM and Fe can play an important role in the mobility and fate of As in
upland peat catchment, but there is a lack of data on the reliable quantitative
As mobilisation and how As mobilisation affected by NOM or Fe. Considering
that As is a toxic element, elevated levels of As in water will have a serious
negative impact on human health and environment. Therefore, this project
investigated the release and mobility of As in upland peat catchments. The
results of this study preliminarily determined the release mechanism of As.
Detailed stream water sampling indicated that the As release and mobility
from peat solil into stream is strongly correlated to NOM and/or Fe. Fe and
NOM mainly affect the transport of As in particulate form and dissolved form
respectively. In the eroded site, stormflow with high Q was more likely to
cause the export of NOM and Fe in peat soil, which indirectly leads to an
increase in As concentration in stream. However, the concentration of As was
reduced in the uneroded stie, because its dominant factor, Fe, is diluted by
the influence of high Q. Understanding release factors of As provides useful
conditions for As monitoring and control in upland peat catchment and

therefore it is benefit for managing and predicting As.
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Chapter 1. Introduction

Undoubtedly, water resource plays an important role in our lives. For
sustaining human life, water is one of the basic necessities and life is not
possible without water (Fu et al., 2014; Science.uwaterloo.ca, 2017). As a
normal and basic human right, access to high quality of water resources and
good water environment is essential to human health. Meanwhile, it can be a
component of policy to project human lives and activities efficiently (World
Health Organization, 2011). However, water pollution, which is the most
significant water issue, causes growing lack of fresh and clean water
resources (Pimentel et al., 2004). Besides, it is becoming globally worse and
currently it is at dangerous levels. According to the data of World Health
Organization (WHO), large number of population (more than 2 billion) cannot

receive fresh and clean water resources (Fu et al., 2014; Simonvic, 2002).

With the growth of the human population globally, human activities have
increasingly led to environmental degradation and associated pollution (Owa,
2013). Agricultural manufacturing, mining, waste disposal and other human
activities (industrialization and urbanization) can release metals to water
environment, leading to a rise in toxic levels of metals in water. This
aggravates natural water pollution and seriously impacts on water quality.
Because heavy metals are difficult to be degraded or destroyed, once water

resources are contaminated by heavy metals, they are very hard to be
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remediated and treated (Choudhary et al.,, 2007; Gallego et al.,1996). In
addition to heavy metals, organic pollutants, acidic atmospheric deposition
and runoff, nutrients (mainly nitrogen and phosphorus) suspended sediments
and so on will also have a negative impact on water environment. As a
consequence, in order to avoid this serious threat to humanity and also
achieve fresh and clean water resources, some necessary measures, which
are used for controlling and improving water pollution including water

remediation and treatment, should be taken.

Sorption can adjust the concentration of pollutants (organic pollutants, trace
metals, etc.) in natural water by various ways, such as controlling the
degradation, distribution or migration of pollutions (Davis,1984). Generally,
pollutants in water can be controlled or reduced by other present substances
such as iron (Fe), organic matter, organic metal complexes, etc. (Vosyliene
and Mikalajune, 2006). As one of the most reactive elements in natural water,
Iron (Fe) can be used in controlling behaviour of pollutants/nutrients,
especially in the form of Fe oxides and hydroxide. Fe oxides and hydroxide
can efficiently control the solubility and mobility of toxic metals by sorption
(Gaffney et al., 2008; Lee et al.,2003; Viollier et al., 2000). In addition, an in
situ formed suspended Fe colloid is produced during oxidation of Fe(ll) and it
can be considered as mobile potentially and move with water flow (Wolthoorn,

2004). After forming the colloidal fraction, their reactivity, their high specific
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surface area (SSA) and ubiquity at the Earth’s surface enable colloidal Fe
oxides or Fe colloids to have abilities of absorption and high mobility. Thus,
this means that Fe will be able to limit the behaviour of contaminants in water
(Accardi-Dey and Gschwend, 2002). Besides, as one of the important
components in aquatic system, Natural Organic Matter (NOM) can also
control the behaviour of pollutants (containing apparent solubility, mobility,
adsorption-desorption equilibrium, hydrolysis, photogradation and so on) in
natural water through sorption, especially for organic pollutants and heavy
metals (Ling et al., 2004). The type (specific chemical composition or physical
size) of NOM can decide its specific property (capacity and strength of
sorption). Many reports indicated that size and chemical characteristics of
NOM are two major factors to affect its role of sorption. Secondly, due to its
polydisperse nature, the sorption capacity of NOM will also change according
to the different fraction or amount of NOM in water. Meanwhile, the
parameters of water quality such as pH and ionic strength will influence NOM
sorption by changing and adjusting the charge and configuration of NOM
(Hyung and Kim, 2008). NOM can not only impact on the behaviour of Fe, but
also produce complexes by the interaction and combination with Fe
(Matilainen et al., 2010; Theis and Singer, 1974). These complexes can be a

useful material to play a role in controlling heavy metal pollution.
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1.11Iron

Iron (Fe) is ubiquitous. As one of the most common metallic elements on the
earth, Fe exists in natural water, soil, rocks, minerals and so on. Many studies
have shown that Fe is abundant in natural water (Vuori, 1995; Tufekci et al.,
2003). When groundwater comes in contact with the underlying Fe-rich soils,
rocks and minerals in the aquifer, Fe will be dissolved and released to water.
Also, both weathering of those solid materials and erosion cause Fe into
water environment (Wolthoorn et al., 2004; World Health Organization, 2011;

Oregon.gov, 2017).

Fe(ll) and Fe(lll) are two main oxidation states of Fe in water and they are
thermodynamically stable under their respective conditions (Viollier, E et al.,
2000). Generally, Fe is mainly dissolved in the form of Fe(ll) when the
dissolved oxygen (D.O.) content is insufficient and it will particulate in oxic
condition as suspended insoluble Felll(hydr)oxides which may coagulate and
be deposited. Deep aquifers in groundwater have low dissolved oxygen
content, especially if organic matters exist in aquifer. The organic matter will
exhaust most of oxygen in water during its decomposition. Therefore, Fe will
dissolve in the form of Fe(ll) after entering the groundwater (Wolthoorn et al.,

2004; World Health Organization, 2011; Oregon.gov, 2017).

Unlike groundwater, surface water usually has a higher D.O. content, so when
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Fe enter surface water from groundwater, D.O. will oxidize Fe from Fe(ll) to
Fe(lll) with consequent rise in precipitation of Fe(lll) and decrease in
concentration of dissolved Fe(ll), and then insoluble oxides and hydroxides of
Fe(lll) will be generated by hydrolysis of Fe(lll) (Baalousha, et al., 2006; Deng,
1997; Vignati, 2003; Weber et al., 2006; Wolthoorn et al., 2004). It is precisely
because of the combination of Fe(ll) and D.O. that it is easy to form the two
most common elements--Fe oxides and hydroxides in surface water (World
Health Organization, 2011). This results in the constant changes of Fe
speciation which in turn effects the mobility of Fe and other elements such as
heavy metals, sulphur, carbon and hydrogen. A large number of the colloidal
Fe oxyhydroxides are formed because of the oxidation of Fe(ll) to Fe(lll) and
therefore their coagulation results in the formation of particulate Fe. By
coagulation and flocculation of particulate Fe, their size and mass are
increased, which cause sedimentation by gravity. As a result, after Fe
precipitates and then accumulates in the subsurface, it combines with
subsurface soils, rocks or minerals again and then is re-mineralized (Croot
and Heller, 2012; Wolthoorn et al., 2004). Figure 1 shows the whole process
of Fe-Fe cycle from minerals to aquatic environment and then back to

minerals.
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Figure 1 Fe-Fe cycle from minerals to aquatic environment and back.

Fe is one of the vital components to control metal pollutants in natural water,
particularly it is in the form of Fe(lll) including Fe(lll)hydroxides, oxides,
oxyhydroxides and so on. The source of Fe(lll) are usually from the oxidation
of Fe(ll). Generally, Fe(lll)(hydr)oxides can sorb and coprecipitate ions in
natural water so that the ions will not dissolve. Therefore, the
sorption/coprecipitation of Fe(oxy)(hydr)oxides significantly affects the
enrichment of metal pollutants and controls the concentration of metal
pollutants in natural water. Small particles of Fe(lll) (hydr)oxides with high
SSA is the most important because high SSA promote their ability of sorption
and therefore they will be the powerful sorbents for dissolved species (e.g.
heavy metal contaminants) and have great effects on sorption of toxic metals.

As a result, the measurement and determination of the concentration of Fe
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(hydro)xides plays an important role in the prediction of solubility mobility and

bioavailability of several toxic metals (Jackson et al., 2012; Jones et al., 2009).

1.2 Natural Organic matter

Natural organic matter (NOM) is one of the most abundant materials on earth,
which originates from soil erosion and biological decomposition. NOM exists
not only in soil and sediments, but also in almost natural water bodies,
including surface water, groundwater, etc (the range is between a few mg/L to
a few hundred mg/L C) (Chen et al, 2011). This is the result of the

interactions of the hydrological cycle with the biosphere and geosphere.

The specific conditions of biogeochemical cycles in waters from different
sources are not the same and therefore they cause the considerable different
in the amount, character, quality and properties of NOM in different aquatic
environments (Matilainen et al., 2010). In addition, other environmental factors
such as climate (e.g. rain, snow, snowmelt or flood) and the hydrological
regime impact on the amount of NOM, so the amount, character and
properties of NOM also depend on time (season) (Matilainen and Sillanpaa,
2010). Because of the difference in origin, there are many types of NOM and
various types of NOM have appreciably different properties. Table 1 shows
the different types of NOM named according to its origin (Filella, 2009). In

addition, through a lot of research on the properties of aquatic systems (e.g.
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small streams vs large rivers, rivers vs lakes, pristine vs populated areas),
NOM can include pedogenic organic matter and aquogenic organic matter.
The former is the organic matter produced by bacteria and fungi decomposing
higher plants and being leached from the soil in the basin by rainwater. NOM
derived from peat can also be immersed in water environments in peat-rich
areas. The latter comes from the water itself or the water in the upstream,
mainly from the excrement and decomposition of plankton and aquatic

bacteria (Filella, 2009).

Table 1 Some of the acronyms used in NOM-related studies and their
meaning in relation NOM origin (References are given only to illustrate the

use of the term. They are not necessarily the oldest nor the most

representative).
Acronym Meaning Origin Reference
AOM Aquogenic Formed in the Buffle (1988)
organic carbon water mass itself
from plankton
and bacteria
metabolism and
degradation
AOM Algogenic organic | Organic matter Sehmidt et al.
matter formed by (1998)
metabolic
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processes of
microorganisms
like
cyanobacteria

and green algac

AROM Aquogenic Non-easily Buffle (1988)
refractory organic degradable
matter fraction of AOM
AntOM Anthropogenic Organic Buffle (1988)
organic matter compounds
resulting from
human activity
EDOC Excreted DOC Hama and Handa
(1987)
EOC Excreted organic Munster (1993)
carbon
EOC Extracellular Sondergaard and
organic carbon Schierup (1982)
EOM Extracellular Hoyer et al.
organic matter (1985)
EPS Exopolymeric Hoagland et al.
substances (1993)
IOM Intracellular Pivokonsky et al.

organic matter

(2006)
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PDOC Phytoplankton Compounds Sundh (1989)
extracellular produced by
products ‘excretion’,
‘exudation’ or
‘extracellular
release’ of
photosynthetically
produced organic
carbon
PDOC Photosynthetically Cole et al. (1984)
produced
dissolved organic
carbon
POM Pedogenic Originated from Buffle (1988)
organic matter leaching of soil
organic matter
PROM Pedogenic Non-easily Buffle (1988)
refractory organic degradable
matter fraction of POM
SedOM Sediment organic Compounds Buffle (1988)

matter

resulting from
accumulation and
transformation of
AOM, POM and

organic debris in
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sediments

SOM

Soil organic

matter

Compounds
produced in soil,
essentially by
decomposition of

higher plants

Buffle (1988)

TOM

Peat organic

matter

Compounds
resulting from
degradation less
advanced than
soil organic

matter

Buffle (1988)

TOM

Terrestrial organic
matter,
terrigenous

organic matter

Term usually
used in ocean
studies;
terrestrial,

terrigenous

Hedges et al.
(1997); Mannino
and Harvey

(2000)

As a complex matrix of organic materials, and a mixture of chemically
complex polyelectrolytes (Hyung and Kim, 2008), NOM has heterogeneity.
Due to different physical structure, chemical composition and properties in
NOM, it is also considered to be complex mixture with unclear definition. The
chemical composition and functional groups of NOM closely affect its

structure. The molecular size, shape and aggregation state are considered to
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be the key factors affecting physical and chemical reactions. In addition, the
surface charge and spectroscopic/photochemical properties of NOM in
solutions will be controlled by electrolyte and pH. Interactions such as
complexation/cation bridging effects between functional groups in NOM and
divalent and multivalent cations may also cause significant changes in the
structure of NOM (Shen et al., 2015). Currently, there is no effective method
that allows for the quantification of different types of NOM depending on their
origin in Table 1. However, measurement of bulk parameters (see next
paragraph) is benefit for providing an insight into the sources of NOM present
in a given system. Many structurally unique compounds generated only in
specific organisms and/or environmental conditions can be used as
“biomarkers” to study NOM origin, because they can be used to trace the
remains of different sources back by space, time and variable degrees of

degradation (Filella, 2009).

Generally, hydrophobic (humic substances), hydrophilic and transphilic
fractions have been found as three segments of the fraction in NOM. Among
them, hydrophobic fraction with phenolic structures and conjugated double
bonds has abundant content of aromatic carbon and almost 50% of dissolved
organic carbon (DOC), which are larger molecular weight (MW), can be
represented in the hydrophobic fraction. 25-40% of DOC with lower MW

(polysaccharides, amino acids, protein and so on) makes up of hydrophilic
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NOM which is also defined as a non-humic fraction operationally. Besides, the
proportion of aliphatic carbon and nitrogenous compounds (carbohydrates,
sugars, proteins, amino acids and so on) are higher in hydrophilic NOM. For
another, in natural water, the transphilic fraction is composed of approximately
25% DOC and the MW of DOC is between hydrophobic and hydrophilic

fractions (Matilainen et al., 2011, Zularisam et al., 2006).

NOM can be also fractionated into two parts: humic substances and non-
humic fractions. Humic substance is the main reason to effect on the colour of
natural water and accounting for over 50% of DOC in water (Matilainen et al.,
2011). Meanwhile, humic substances, which comprise both aromatic and
aliphatic components with mainly carboxylic and phenolic functional groups,
are complex mixtures. They are more hydrophobic than non-humic fractions.
As regards the non-humic fractions of NOM, generally, they consist of
transphilc acids, proteins amino acids and carbohydrates and their amount of
DOC is lower that is between 20% to 40% (Aiken et al., 1992, Fan et al.,
2001). Next, as the predominant fraction of NOM, the humic substances
comprise three categories based on solubility: humic acid (HA), fulvic acid (FA)
and humin. For instance, when the pH is lower than 2, the HA with relatively
high molecular weight will precipitate. In terms of FA (lower molecular weight),

it is soluble at any pH (Fan et al., 2001).
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Basically, the dissolved fraction of NOM is the size fraction that going through
a 0.45 um filter and it can be an important component on the earth, especially
in aquatic environments, because its existence has significant effect on acidity,
nutrient availability and toxicity of ecosystems (Aiken et al., 2011; Zhang et al.,
2009). Except dissolved NOM, the particulate matter of NOM, which is
composed of aggregates, also exist in natural water. The crossflow
ultrafiltration (at about 0.5 um) can separate the dissolved matter (including
truly dissolved matter and some parts of colloidal) and particulate (including
colloidal). By gravity, the particulate matter will settle down (Macrellis et al.,
2001). However, some parts of colloidal matter with smaller aggregates in
NOM will not settle down (Baborowski et al., 2003). In order to understand the
role of NOM in water chemistry, it is necessary to separate and obtain
different fraction of NOM, so the specific size of filter should be used correctly.
Generally, the size of NOM less than 0.22 pym is truly dissolved matter,
between 1 ym and 0.22 um is colloidal, and greater than 1 ym is particulate
(Krachler et al., 2016). Thus, it can be seen that the particle size of NOM is
related to its mobility and solubility. The mobility of larger particles will be
limited, but smaller particles are easier to spread to further place (Barber et al.,
2001). Much research mentioned the importance of NOM in controlling and
impacting the aggregation of colloids and behaviours of organic pollutants and
metals. In recent decades, it is well known that the dissolved NOM plays a

key role on the stability and mobility of particles including colloidal particles in
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aquatic environments and it also impacts on the biogeochemical cycling of
trace metals. Generally, the stability of particles can be improved by dissolved
NOM (Aiken et al.,, 2011; Zhang et al., 2009). For example, the content of
heavy metals will be diluted or effected by NOM when they enter to water. In
addition, due to the interaction between NOM and heavy metals, their
insoluble salts or complexes will be generated and these salts and complexes
are not harmful to aquatic environment which have been proved (Vosyliene
and Mikalajune, 2006). Overall, NOM is responsible for mobility and stability
properties of colloids and particles in natural water and can control the fate
and transport of pollutants. Many inorganic and organic pollutants can interact
with NOM and therefore their toxicities will reduce (Kim and Yu, 2005).
Meanwhile, particle size distribution has significant effect on the chemical and
physical properties of NOM. The behaviour (not only about its own
performance, but also on other material effects) of NOM in natural water

depends on its particle size.

1.2.1 Climate change and changing NOM

Many studies have shown that different climatic conditions (temperature,
precipitation) and hydrology (runoff and its composition) affect NOM in natural
water (Hejzlar et al., 2003). With global warming, climate patterns will change
and this will bring an increase in the frequency of extreme weather events

(floods and droughts) (Ritson et al., 2014). Temperature and precipitation
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pattens are two crucial climate-related factors that can cause changes in the
guantity and quality of NOM. It has been proven that the content of NOM
increases with increasing temperature (decomposition of NOM). On the other
hand, a large amount of NOM will be flushed out from the soil (peatlands) and
entered in water due to rainfall events, resulting in a high NOM concentration.

These changes affect water quality (Chang et al., 2020).

Due to the influence of climate, the composition and stability of NOM released
from soil to water will change and this could probably affect the fluxes of
greenhouse gases from water to atmosphere (Wu et al., 2020). Peatlands
accumulate a large amount of NOM (organic carbon), and once they are
destabilized, it will cause an increase in the amount of dissolved organic
matter in water (Freeman et al., 2004). The greenhouse gases (GHG) flux in
water, especially COg, is regulated by the concentration of NOM, and also
affected by quality, chemical composition and properties of NOM. Both rivers
and streams are important channels for carbon (C) transportation and
circulation. A large amount of carbon dioxide (CO2) will be released from
water to atmosphere, which is derived from the input of terrestrial C and the
in-situ respiration of NOM. In addition, the mineralization of NOM will also
affect CO2 emissions from water. Therefore, once the NOM in water changes
such as the content increases, the GHG flux will be severely affected (Ni et al.,

2020; Wu et al., 2020).
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1.3 Interaction of Fe and NOM

NOM can influence the properties of particles in water. Lots of research
indicated that NOM has significant effects (promoting or obstructing) on Fe
oxidation and the specific effect depends on its type, concentration or different
environmental conditions such as pH. The interaction of NOM and Fe(ll) with
oxygen in aerated water are mentioned from many previous studies. However,
without oxygen, the interaction also exists. The anoxic environment cannot
maintain for a long time, therefore less attention is on the interaction of NOM
and Fe under anoxic condition. The process of interaction can be seen in
Figure 2 (Gaffney et al., 2008; Jackson et al., 2012. Jones et al., 2009; Liang
et al.,, 1993; Theis and Singer, 1974; Tufekci et al., 2003; Wolthoorn et al.,
2004).

Sub-surface O2 Saturation Surface

100%

Organic

Organic g
Carbon

Carbon

Felll OOH

Organic
Carbon

Organic
Carbon

Felll

Organic Organic
Carbon Carbon

Figure 2 The interaction of NOM and Fe in natural water. Part of Fe(ll) reacted
with NOM is retained after entering the oxic environment (Jackson et al.,

2012).
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Specifically, NOM compounds can form dissolved complexes with cations
such as Fe(ll) and Fe(lll) because of their functional groups (carboxylic and
phenolic groups) (Mak and Lo, 2011). Therefore, before Fe(ll) expose to fully
oxic water (surface water), part of it is likely to interact with NOM and then it
causes the generation of Fe-NOM complex (Jackson et al., 2012). This
means that the interaction of Fe(ll) and NOM occurs prior to oxidation in
anoxic water and thus the oxidation rate of Fe(ll) to Fe(lll) will be controlled
and inhibited in aerated water by NOM. More importantly, the formation of
soluble Fe-NOM complex will result in the rise of dissolved Fe(ll)
concentration in natural water increases. For this reason, the amount of Fe(lIl)
(hydroxides), which mainly contributes to the removal and sorption of metal
pollutants, will be influenced (Mak and Lo, 2011). Furthermore, NOM can
combine with Fe(lll) (hydroxides or oxyhydroxides) through specific
adsorption by ligand exchange with protonated surface hydroxyl groups and
also has the ability to maintain Fe(lll) (hydr)oxides as colloidal suspensions in
natural waters. It is observed that the association between colloidal Fe
particles and organic matter exist in oxic water. (Gaffney et al., 2008; Jackson
et al., 2012; Mak and Lo, 2011). Apart from inhibition of Fe(ll) oxidation, after
combination with Fe, NOM can limit the aggregation and flocculation of
colloidal Fe (oxy)hydroxide particles, because the stability of colloidal particles

is improved by Fe-NOM (Mak and Lo, 2011).
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Overall, numerous studies have analysed and investigated the characteristics
of NOM and Fe. However, few studies have revealed the specific situation of
interaction between NOM and Fe as well as characteristics of Fe-NOM
complex. There is a requirement to extend the range of relevant parameters in
NOM such as types and concentration, because the particle size and property
of both NOM and Fe will be impacted after interaction. In addition, the mixing
order of Fe(ll) and oxygen is also a important factor (Gaffney et al., 2008;
Jackson et al., 2012; Mak and Lo, 2011). Generally, the bioavailability of Fe
and the role of Fe in the water are mainly affected by its solubility and
speciation. The Fe-NOM interaction will alter Fe speciation and solubility in
natural waters, which will also affect its export from waters. Therefore, it is
necessary to understand how important the NOM is in determining the
speciation and solubility of Fe in order to obtain more information of Fe

chemistry in natural water (Rose and Waite, 2003).

1.4 Arsenic

As one of the most toxic elements, Arsenic (As) exists naturally in the
environment (atmosphere, rocks, sediments, soils, natural water and
organisms) (Ratnaike, 2003). Various factors such as the type and amounts of
sorbents, pH, redox potential (Eh) and microbial activities will impact on the

forms of As. Large number of studies have proved that the mobility and
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toxicity of As depend on its specific chemical forms and oxidation states in the
environment (Smedley and Kinniburgh, 2002; Wang and Mulligan, 2006;
Wang and Mulligan, 2009). As can occur in the environment in inorganic and
organic forms (As acid, arsenous acid, arsenites, arsenates and so on), but it
mainly exists in natural water in inorganic form such as oxyanions of trivalent
arsenite [As(Ill)] or pentavalent arsenate [As(V)]. [As(lIl)] is most common
under anoxic conditions and [As(V)] is most prevalent in oxic conditions.
[As(lI)] is mentioned to has higher toxicity, solubility and mobility by
comparing with [As(V)]. The organic forms of As are not quantitatively
important and they are likely to be generated by biological activities, are
mostly found in surface water. Normally, the capacity of toxic and mobile in
inorganic As is greater than organic As (Smedley and Kinniburgh, 2002;
Wang and Mulligan, 2006; Wang and Mulligan, 2009). In addition to trivalent
(+1I) and pentavalent (+V), As also has two oxidation states (-lll, 0), of which
As metals rarely occurs and (-Ill) oxidation state is only found in extremely

reduced environments (Hughes, 2002; Wang and Mulligan, 2006).

Figure 3 shows the occurrence and mobilisation path of As in environment. A
combination of natural processes including weathering reactions, biological
activities and volcanic emissions as well as a series of anthropogenic
activities such as mining activity, combustion of fossil fuels, the use of

arsenical pesticides and so on result in the enrichment of As in sails,
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sediments or rocks, which may generate As sources. Once in environment,
both naturally occurring and anthropogenically sourced As are affected by the
same biogeochemical processes, causing the mobilisation of As that will
change As flux. It means more As entering into nearest natural water or
agricultural fields from soils, rocks (mines) or sediments in the forms of
arsenate ion [As(V)] and arsenite ion [As(lIl)]. Therefore, more As can enter to
atmosphere through evaporation, attributed to elevated As fluxes in water.
Humans are exposed to As by a number of ways such as water, soil and air,
and therefore As poses the great risk to human health (Gonzalez et al., 2006;
Wang and Mulligan, 2006). Meanwhile, most environmental As problems are
caused by mobilisation of As under natural processes, which also involves
water sources that are closely related to drinking water. These water sources
come from water collection spots and are sources of during water. Among
various sources of As, drinking water is the main cause of human As toxicity
(Ratnaike, 2003; Smedley and Kinniburgh, 2002; Verma et al., 2014). With the
increasing awareness of As toxicity and improvement of As quantitative
technology, the maximum concentration limit of As in drinking water is set at
10 pg/L (it was 50 pg/L before 2004) by Worth Health Organisation and once
the content of As exceeds the limit, the public health will be impacted
seriously, leading to an increase in human disease and mortality (WHO, 2011).
Elevated concentrations of As will pose hazards to human health and

environment on a global scale and therefore there is a requirement to
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understand the distribution and cycling of As in the natural environment due to

its toxicity. Details will be described in Chapter 5.
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Figure 3 The occurrence and mobilisation path of As during As cycle in

environment (Wang and Mulligan, 2006).

1.5Aim

Human survival requires high-quality water resources and a good aquatic
environment, the first requirement of this project was therefore to determine
the amount of NOM, Fe and As that will affect the water quality in Peak
District. Although measurements were made, hydrological and hydrochemical
controls on mobility of NOM, Fe and As will continue to alter their fluxes or
characteristics, and the exact causes and effects are yet to be fully
understood. Consequently, the aim of this project was to understand the

influence of hydrological and hydrochemical controls on mobility of NOM, Fe
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and As to manage and predict future changes in water quality in Peak District.
The developed long-term sampling procedures including automated sampling
to cover non continuous temporalities such as stormflow achieved long-term
sampling and the measurement of associated hydrological and hydrochemical
conditions measurement in this area, so high-quality and representative
datasets were obtained. Each aim of the three chapters in this project were

described below.

NOM is a material containing OC and is an essential component of natural
water, it not only affects water quality and water treatment, but also
aggravates global warming through direct or indirect GHG (C) emissions,
resulting in climate change. Among them, indirect emissions are much more
than direct emissions and meanwhile more difficult to measure, so more
important (Do, 2013). The aim of Chapter 3 is to develop a new monitoring
system to study the control of hydrology and hydrochemistry on mobility of
NOM by determining OC flux (an indirect emission predictor) in study sites of
Peak District during study period and meanwhile make a preliminary
prediction of future trends for the impact of ongoing and future climate change

on OC flux.

Fe is another important element in natural water. The interaction between Fe

and NOM will not only change their size and properties, but also affect the
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properties and behaviour of other particles, pollutants or nutrients in water.
The aim of Chapter 4 is to develop a new reaction system to investigate the
specific circumstances of the interaction between Fe and NOM under different
conditions (such as pH, light, temperature and mixing order of Fe, NOM and
D.0.) in order to study the effect of NOM on Fe speciation and its mobility.
Meanwhile, for maximising the universality of the findings, particular but
representative NOM must be selected. NOM selection through size separation
rather than chemical composition made it more easily comparable and

therefore more generic.

As is a ubiquitous toxic element in upland peat catchment due to atmospheric
deposition caused by anthropogenic activities and these uplands are also
water collection areas with sources of drinking water, so it will be a potentially
serious risk to water quality and mankind within Peak District. Therefore, the
aim of chapter 5 is to predict how As flux may change with climate change
and to gain a better understanding of hydrological and hydrochemical factors

that control the mobility of As in general.

The project involves an iterative process of laboratory simulation and field

monitoring.
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Chapter 2. Methodologies

General reasons for methods. This project includes two parts: laboratory
work and field work. Methods were devised in order to achieve aims of project
including a) collect samples for developing a method of Fe/NOM analysis
and/or experiments; b) Monitor field parameters involving carbon, Fe and As
fluxes and validating laboratory model of Fe/NOM interaction. All methods
were improved after training and development during the project and are

explained in the following subsections.

Study area. Crowden Great Brook catchment has a total area of 7 km? and
about 70% of surface area is covered by peat. It is located in the Peak District
National Park between Manchester and Sheffield, and the range of its
elevation is between from 220 m to 550 m above sea level (Figure 4 and
Figure 5). As an upland stream of catchment underlain by the Upper
Carboniferous Millstone Grit series, Growden Great Brook catchment is an
important area for the analysis of organic carbon fluxes, particle size
distribution (PSD) and composition of NOM. Because NOM is commonly
guantified in the aqueous phase by dissolved organic carbon (DOC) or
organic carbon (OC). Different carbon sources (pedogenic carbon originating
from peat soils and aquapenic carbon originating from plants) can be
presented in Crowden Great Brook catchment. In addition, the runoff from

upland peat catchment is important part of indirect greenhouse gases (GHG)
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fluxes. Large proportion of soil carbon are contained in peat and most of it will
transfer to stream water through erosion, resulting in a high concentration of
aguatic carbon in stream water. The constant movement of stream water
causes carbon to be exposed to oxic experiment, so carbon dioxide (COz2) is
easier to produce, thereby intensifying the greenhouse effect, leading to
global warming and climate change. Therefore, it is necessary to monitor the

C fluxes and understand C emissions.

Crowden
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2 SE 06056 02582

Clty Of 470 m AMSL
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SJ 84625 96683
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Figure 4 Relative location of the study site (Parra, 2019).

Crowden Great Brook catchment contains two sub-catchments, one is the
eroded peat with an area of 0.5 km?(site 50, grid reference SE 05650 00943)
and the other is uneroded peat with an area of 3 km? (site 30, grid reference
SE 06172 02965) (Figure 5) (Do, 2013; Gaffney et al., 2008). Site 30 is close
to the headwaters of the mainstream and the peat is largely vegetated, but
further downstream to the west of the river substantial sections of the peat are

in a degraded state (site 50), without vegetation, and subject to erosion of
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surface layers (Figure 5) (Hegan, 2012). The condition of ombrotrophic peat is
not uniform which allows for determination of the effect of peat condition on
the transport of NOM or As. The existence of Crowden Great Brook makes it
possible for several variables to be studied while exploring the effects of time
and space upon the lability and interactions of carbon with the immediate

environment and predicting its future behaviour.
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Furthermore, long-term mining, smelting and other industrial activities have
caused environmental and atmospheric pollution in the Peak District and
surrounding areas. West Lancashire coal is known to have a high As
concentration. The burning of this coal has deposited As across high ground
between Manchester and Sheffield (Rothwell et al., 2007; Rothwell et al.,
2009). In recent year, the concentration of As has been increasing in surface
peat and these As have the opportunity to enter in stream water and move to
other places along with the river (Lee and Tallis, 1973; Rothwell et al., 2007).
The waters from all branches of runoff in Growden Great Brook catchment will
converge and then drain into the mainstream or be collected by stream
systems. Finally, these waters flow into Torside Reservoir that is a main place
to supply drinking water to Manchester. Therefore, Growden Great Brook
catchment is the source place of drinking water for Manchester and the water
quality and property in there are closely related to public health (Do, 2013).
Therefore, the mobility of As is a potential threat and risk to public health of

Manchester which worth our attention.

Flux calculation. Flux calculation depends on the following equation (1):
Flux=Q X [NOM or As] (1)
Where Q=Discharge (L/s); [NOM or As]=The concentration of NOM (mg/L) or

As (ug/L).
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Therefore, in order to calculate flux for NOM or As at different seasons of the
year and under different hydrological conditions, Q and concentration must be
measured throughout the duration of this project. Best measurement of flux

requires high temporal resolution concentration and discharge measurement.

Discharge measurement. It is worth noting that continuous discharge (Q)
measurement is impossible because these isolated catchment areas (site 30
and site 50) are located at high altitudes and are inaccessible due to extreme
weathers such as rainstorm and heavy snowfall at certain time of the year. In
addition, continuous Q measurement needs fixed channel forms and
continuous velocity measurement and the installation of the necessary
infrastructure in inaccessible locations is prohibitively expensive. Therefore, it
is very difficult to measure Q at high frequency. In order to monitor the Q for a
year or more years at high resolution, stage (water depth) is used as a
surrogate measure of discharge because pressure transducers with

datalogging capabilities are available at around £500.

Stage measurement. In order to measure stage at high resolution, a
pressure and temperature transducer attached to a sentry logger (intelisys Ltd,
Manchester, UK) was instrumented in each catchment area (site 50 and site
30), so the pressure in water can be measured. The location of the

transducers is important for minimising the errors during the measurement
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process. The best location is the centre of stream bed in upstream. In addition,
the changes in atmospheric pressure may affect the pressure measurement
of water stage, therefore a barometric pressure transducer was instrumented
in research area to measure atmospheric pressure and it will be used as a
reference for all sites. The data logging interval of each transducer is set to 15
minutes. Before being placed on field, every equipment will be calibrated by
using known standards and Sentry Il software (intelisys, UK). The stage
calculation relies on the equation (6) below:
Stage=Diver - Baro + altitude difference (1)

Where Diver= pressure in water measured by pressure transducer (cm H20);
Baro= pressure in atmosphere measured by barometric pressure transducer

(cm H20).

Altitude difference can be made by taking a direct stage measurement at the
sites and comparing to the difference from directly subtraction between diver
and baro readings. Therefore, the stage of all the sites is continuously

monitored all throughout the duration of this project.

Stage-discharge relationship. Stage can be used to calculate discharge by
building the relationship between stage and Q. This requires discharge to be
measured across the full range of stage. During the entire project period, field

work was carried out at least once a month to measure Q so that the
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relationship between Q and stage are built. It is worth noting that the
hydrological conditions of the catchment areas (site 30 and site 50) are vary

greatly and irregularly throughout the year, resulting in unstable Q.

Salt dilution gauging is a common technique to determine the level of Q. NaCl
is a conservative tracer in this technique and its dilution is determined by the
detection of its value of electrical conductivity (EC) by a four pole EC probe.
The measuring range of this probe is between 0-2500 uS/cm and it was
connected to a Sentry Il data logger (Intelisys, UK) after calibration by a
detailed concentration of NaCl standard. After that, this probe was placed in
downstream from the sample collection sites and then initial record of EC was
started. The data logger was set to record at 2 second intervals. Next, the
appointed amount of NaCl (200 mg to 400 mg) was put into the river around
15m upstream from the probe and it will result in the rise of EC reading. The
gauging was continued until the EC reading returned to the initial value
(Figure 6). It is worth noting that pools should be avoided between NaCl input
point and probe to prevent errors of result caused by discharge because it
takes longer to flow and even water will get potentially held up in pools. The
EC value, mass of NaCl and time interval can contribute to the calculation of
Q by the following equation (1) to (5):

Q=m/A 1)

A=Aa- Ab (2)

52



Aa=sum[NaCl] (from1ton) Xt (3)

Ap=ab X tXn (4)

[NaCl]=(a’) X EC + (b’) (5)
Where m=mass of NaCl (g); A=area of peak (g*s/L); Aa=area under curve
(g*s/L); Ab=area under baseline (g*s/L); ab=average of baseline value (g/L);
t=interval time (s); n= number of data points; [NaCl]=concentration of NaCl

(g/L); @', b’=slope and intercept for calibration of EC to [NaCl].
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Figure 6 A dilution gauging curve on 16/10/20109.

A series of Q can be measured from multiple discharge measurements by salt
dilution gauging and the stage at the same time can also be calculated during
the study period or earlier. Therefore, the relationship between stage and Q
can be built (Figure 7 A and B). This relationship can be continuously updated

as future field work continues.
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Figure 7 The relationship between stage and Q for (A) uneroded sub-

catchment (site 30) and (B) eroded sub-catchment (site 50).

According to stage-discharge relationship, continuous Q (every 15 minutes)
including high and low discharge can be calculated. Over the years, Dr.
Stephen Boult and his research team have measured the Q of Crowden Great
Brook for creating a stage discharge curve and thus a flow duration curve was
made (Figure 8). The flow duration curve can be improved by updating

discharge measurements. The hydrological behaviour and the proportion of
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high discharge events (high intensity rain) in the research sites can be
reflected clearly by this curve. It is important to understand that high Q has a
great influence on the mobility of NOM. Because a vast majority of water
runoff is caused by high discharge events, and it can consume or transfer
NOM within peatlands located at high altitudes.
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Figure 8 Flow duration curve under 3 years (2017-2019) for uneroded sub-

catchment (U) and eroded sub-catchment (E).

Sample collection. In order to measure concentration ([NOM], mg/L; [As],
Mo/L; [Fe] mg/L) at different stage for flux calculation, auto samplers (Sigma
SD900) (Figure 9) were placed at representative study sites (site 30 and site
50) to collect appropriate samples continuously. Each sampler inlet was
located above the stream bed and as close as possible to the centre of the
flow channel. The stream water in upland peat catchments have significant

heterogeneity in hydrochemical characteristics (Rothwell et al., 2007).
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Different time periods or different hydrological conditions will affect the NOM
content in stream water. Therefore, the study area was visited every month all
throughout the duration (3 years) of this project to take water samples under
different conditions. In order to find the best representative concentration for
accurate assessments of NOM Fe or As in fluvial systems, samples were
taken at different resolution including daily sampling (low resolution) for long
periods for long-term changes (between discharge events) or hourly sampling
(high resolution) for short periods of changing discharge (during discharge
events) and each sample was collected into acid washed (10% HNOs, Analar
grade, Fisher chemiclas, UK) 500 ml polypropylene bottle labelled with order
and site of sampling. For sampling during high discharge event, each sampler
has a float switch that acts an on/off for the samplers. When the water stage
is high enough to a certain point, the float switch can detect this situation and
activate the sampling process. In addition to sampling through the auto
samplers, river water samples were also continuously taken by acid washed
(10% HNO3) high-capacity polypropylene bottles (5 L, 10 L or 20 L) during site
visits for subsequent PSD analysis at a higher resolution. All collected
samples were taken to the lab directly after each field work for sample

analysis.
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Figure 9 Sigma SD900 auto sampler with collected samples.

Sample analysis. All water samples were analysed in laboratory after
collection by auto samplers and high-capacity polypropylene bottles. The
sample analysis includes two parts: physical processing (filtration or size
separation and concentration measurement) and chemical analysis
(composition analysis). Carbon (C) accumulates in peat as NOM. NOM is of
widely varying composition and it is necessary to place it in classes in order to
study it. Classification by presence/amount of chemical functional groups is
possible but may not be useful as the relationship between functional groups
and provenance or behaviour of NOM is not well constrained. In this study we
classify by particle size which is unambiguously measured and has direct links
to behaviour. For flux calculation, the samples containing NOM generally
need filtration at a low resolution by using 5 pm, 1 um and 0.2 ym cellulose

nitrate membrane filters (Whatman, UK) successively, while the samples
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containing NOM used for PSD analysis require high resolution size separation
techniques. The basic analysis done on samples throughout this project will

be explained in the following subsections.

Filtration. As the most common technique for size separation, filtration is
widely used in laboratory. In order to achieve size separation for PSD analysis,
all of water samples need to be filtered first. Filtration can force fluid through
the membrane by a variety of techniques (gravity, pressure and vacuum).
However, it is easy for fluid to cause membrane fouling in the process of
being forced to pass through the membrane, resulting in reduced filtration
efficiency. This filtration problem due to the accumulation of materials is
closely related to the amount of carbon in the fluid (such as microbial fouling
in porous media, causing by higher amounts) and higher molecular weight
molecules in NOM (Chen et al., 2007; Hand et al., 2008). Particles larger than
the membrane size will coagulate on the membrane surface when they are
forced through the filter and therefore causing the blockage of the membrane
by large number of particles and changing the pore size of filter. During this
process, this is not a full separation in the true sense and more likely to be

caused by artificial force.

In order to solve this problem, as a filtration technique that does not apply

pressure to the fluid, tangential flow ultrafiltration (TFU) is introduced in
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sample separation. Without pressure, the samples will flow through the
membrane during separation process instead of being forced through. In this
filtration mode, a portion of sample with smaller size (filtrate) is allowed to
pass through to the membrane surface, while the rest of them (retentate) is
returned to sample reservoir and recirculated (Figure 10). Therefore, it is
possible to carry out large-scale filtration of water samples by TFU (Schwartz

and Seeley 2002).
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Figure 10 The mechanism and process of TFU (Schwartz and Seeley, 2002).

Stream water samples must be converted into non-settling fractions (colloidal
and dissolved) by pressure filtration through 5 ym and 1 pym cellulose nitrate
membrane filters before TFU. Filtration through a 5 pym membrane filter in
advance is to remove large particles or impurities, thereby preventing clogging
of the 1 um filter. Sub 1 ym sample was separated by TFU into 5 size classes:

<1>0.2 pym, <0.2 ym >100 KD, <100>10 KD, <10>3 KD and >3 KD using
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polyethersulfone membrane plates (Vivaflow50, Sartorius, UK). The
membrane plates were flushed with Deionised water (DIW) prior to use and
this was done until no NOM (OC) was detectable in filtrate or retentate. It is
worth noting that the specific surface area (SSA) of the sample increases as
its size decreases, which is significant for the subsequent processing and

application.

TFU was used instead of direct flow ultrafiltration as the direct pressure in the
latter can lead to larger particles blocking or being pushed through the
membrane. The tangential flow in TFU avoids this problem as fluid passes
across the filter plate and material is separated by osmosis. However, whilst
pressure filtration has a clear endpoint — when the sample volume has passed
wholly into filtrate - TFU does not and separation may be incomplete.
Validation is, therefore, necessary but rarely reported. In this work validation
of separation was achieved by monitoring the mass of NOM (OC) in the
filtrate and separation was deemed complete when the mass became
constant (Figure 11). It is important to noted that the mass of NOM (OC) is
obtained by multiplying its concentration and volume. As a widely utilized
method for the quantitative determination of NOM in analytical chemistry,
ultraviolet-visible spectroscopy (UV-Vis) is introduced to monitoring the
concentration of NOM in real time by measuring its UV absorbance at 254 nm,

this absorbance has a sufficient linear correlation with NOM concentration, so
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it is most suitable for the analysis of NOM concentration (Matilainen et al.,

2011).

To achieve constant mass the process had to take place for so long that the
retentate volume had to be replenished. The stream water was of low
electrical conductivity (EC), circa 40uS, so rather than attempt to maintain a
constant EC, DIW was used which did result in EC dilution from 40 to 5uS
during the process. After use, the membrane plates were flushed circularly
with a 300 ml cleaning solution consisting of DIW, 0.5M sodium hydroxide
(NaOH) and sodium hypochlorite (NaOCI) for 30 minutes and then rinsed with

DIW until the pH is adjusted between 6 and 7.
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Figure 11 Mass balance of NOM (OC) during TFU process, TFU is completed

when mass of retentate and filtrate is constant.
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[NOM] measurement. Total organic carbon analyser is commonly used for
guantifying the amount of NOM by measuring concentration of total organic
carbon (TOC). TOC in liquids includes total amount of particulate and
dissolved organic carbon (DOC), where DOC is used to quantify the amount
of NOM in water samples. DOC needs further quantitative analysis, and the
particulate can be removed by a range of filters. Generally, oxidation is a
common method for quantification of DOC and it contains various steps such
as burning, radiation and oxidising agents to form COg2. Infrared (IR)
spectroscopy is a main method at present to quantify the amount of resulting

COz2 (Matilainen et al., 2011).

A Shimadzu TOC-5050A analyser (Shimadzu TOC-V CPH, Japan) with the
detection limit of 4 parts per billion (ppb) was used in TOC analysis during
entire project period. This analyser first measures the amount of CO:2
generated by the combustion of the sample through an infrared detector to
determine total carbon (TC), and then measures the amount of CO2 produced
by the decomposition of the sample through an infrared detector again to
determine total inorganic carbon (TIC). TOC is calculated by subtraction from
TC to TIC. Triplicate measurements were made for each sample
measurement and the average value was taken as the final concentration. A
calibration curve was generated by different concentration of (1 mg/L, 5 mg/L,

20 mg/L) TC and (0.5 mg/L, 1 mg/L, 5 mg/L) TIC standard solutions to
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qguantify the amount of TC and TIC in the samples. Since TC and TIC
standard solutions are required for each TOC analysis, TC and TIC stock
solutions were prepared in advance to facilitate the use of standard solutions,
where TC stock solution is made by using 2.125 g potassium hydrogen
phthalate (Shimadzu, Japan) in 1 L DIW and TIC stock solution is prepared by
using 3.5 g sodium hydrogen carbonate (Shimadzu, Japan) in 1 L DIW. Drift
correction calculations by calculating the slope and offset between each pair
of standards and linearly extrapolating over time are applied to each sample

analysis to ensure that the errors caused by instrument drift are minimised.

[Fe] and [As] measurements. The Inductively Coupled Plasma-Atomic
Emission Spectrometry (ICP-AES) (Optima 5300, Perkin-Elmer, United
Kingdom) is used for [Fe] measurement and Inductively Coupled Plasma
Mass Spectrometry (ICP-MS) (8900 Triple Quadrupole, Agilent, United States
of American) is used for [As] measurement. The former is based on the
measurement of excited atoms and ions on the wavelength characteristics of
specific elements and the latter is the measurement of atomic mass by mass
spectrometry (MS). The choice of these two ICP is based on their lower
detection limit. The lower detection for ICP-AES is parts per billion (ppb), but
for ICP-MS can extend to parts per trillion (ppt) (van de Wiel, 2003). The

concentration range of [As] in the samples collected from study area is below
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or near the lower detection limit of ICP-AES. Therefore, ICP-MS is the first-

choice instrument for [As] measurement.

Both of two instruments are calibrated by using standard solutions with
different concentration gradients (0.001 ppm, 0.01 ppm, 0.05 ppm, 0.1 ppm,
0.5 ppm and 1 ppm for ICP-AES; 1 ppb, 5 ppb, 10 ppb, 50 ppb and 100 ppb
for ICP-MS) and a bland solution prior to sample analysis. After measuring
about 20 samples each time, the instruments need to be recalibrated and
rinsed in order to minimise errors and ensure the normal working. It should be
noted that samples were submitted in solution preferably (at least < 1 um)
which could ensure that the nebulizer, narrow tube or other site of instrument
were not blocked. Therefore, each sample needs to be filtered through 5 pym
and 1 pm cellulose nitrate membrane filters (Whatman, UK) to remove
particulate matters, and then acidified to 2% with nitric acid before ICP
analysis, because acidification can provide a low pH condition to prevent
metal precipitation and keep the metals in solution during transportation and

storage.

Continuous [NOM] and [As] measurements. [NOM] and [As] of stream
samples collected from the study area were measured by specific instruments
mentioned above. However, due to the reasons of weather and location

explained in subsection “Discharge measurement”, the study sites are not
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available for being accessed frequently and the capacity of autosampler for
collecting and storing samples was limit. Therefore, it is difficult to perform
continuous measurement of concentration by high frequency sampling. In
order to overcome this problem, two methods including both interpolation and
extrapolation were utilised in continuous concentration measurement. The
extrapolation was based on the modelling of the rating relationship curve
between concentration and Q. Detail information will be explained in the

individual chapters (Chapter 3 and Chapter 5).

Although interpolation and extrapolation are prediction methods by estimating
hypothetical values based on other observations, the application scenarios
should be understood due to the differences in their principles. Interpolation is
used to estimate the unknown values that exist within the data sets and
extrapolation is used to estimate the unknown values outside the data sets by
linear regression models. In this project, the accuracy and reliability of results
from both of methods rely on the amount and quality of sampling
measurements. Generally, interpolation is more reliable and accurate than
extrapolation, but it will be affected by the limited data when predicting
unknown values in a longer period, resulting in errors. The random dispersion
of rating relationship curve may also lead to non-linear relationship, resulting
in errors in the calculation of continuous [NOM] or [As]. Therefore, the

reliability of results needs to be verified according to comparison from both of
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methods. Detail information will be explained in the individual chapters

(Chapter 3 and Chapter 5).

Pyrolysis gas chromatography mass spectroscopy (Py GC/MS). Pyrolysis
gas chromatography mass spectroscopy (Py GC/MS) can provide useful
information at the molecular level of NOM so that it is a fast, useful and
convenience technique for improving knowledge about structure in natural
macromolecules (Templier et al., 2005). Under heated and anoxic condition,
large complex molecules of NOM are broken into more analytically available
fragments in pyrolysis and these fragments will be detected by MS after

sweeping into the analytical column of the GC.

The NOM was prepared for Py GC/MS analysis by freeze drying.
Approximately 150 ml of NOM sample was placed in 1 L freeze resistant glass
vials and then immersed in a 5 L dewar filled with 4 L liquid nitrogen. During
the entire freezing process, it is necessary to keep turning the vials to produce
a large freezing surface area in a shorter time. The NOM sample was freeze
dried subsequently by using an Edwards, K4 Modulyo Freeze Dryer. The

dried sample was stored in a 20 ml vials after freeze drying.

Approximately 1 mg of dried NOM sample was weighed into a quartz sample

tube and pyrolyzed using a Chemical Data Systems 5200 series Pyroprobe by
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heating at 700°C for 20 seconds. Liberated fragments were analysed using an
Agilent 7890A Gas Chromatograph interfaced with an Agilent 5975A MSD
Mass Spectrometer operated in electron ionization (EI) mode (scanning a
range of m/z 104 50 - 600 at 2.7 scans s¥, ionization energy 70 eV and a
solvent delay of 1 min.). The gas chromatograph was equipped with a Zebron
ZB-5MS column (length 30 m, 1.D. 0.25 mm, film thickness 0.25 pm). The
pyrolysis transfer line and injection temperature were set at 350°C, the heated
interface at 230 °C and the MS quadrupole at 150°C. Helium was used as the
carrier gas and the samples were introduced in split mode (split ratio 5:1,
constant flow of 5 ml/min). The oven was programmed from 40°C (for 5 mins)

to 320°C at 4°C min * and held at this temperature for 10 mins.

Compounds were identified from chromatographs by comparison of relative
retention times and spectra to those reported in the NIST library. Peak areas
were calculated for each compound to allow semi-quantitative attribution of
their relative proportions. Whilst the characterisation was primarily to allow
comparison to other samples; to assemble a “fingerprint” for distinguishing
different materials, the compounds detected were grouped by degree of
oxidation to also give some functional relevance. Overall, Py GC/MS is
definitely a powerful tool for structural analysis about the molecular building

blocks of NOM.

67



Chapter 3. Quantity of OC flux from an upland peat catchment

3.1 Introduction

Climate change is the result of an increase in concentration of greenhouse
gases (GHG) and carbon dioxide (CO2) is the dominant GHG. CO:2 in
atmosphere captures some of the heat energy that should otherwise be
radiated to space, leading to global warming. Meanwhile, increasing
temperature affects the normal atmospheric circulation, resulting to
occurrence of extreme weather. These are the drives of large-scale global

climate change (Harley et al., 2006).

The concentration of CO2 in the atmosphere is closely related to the
widespread C in nature and the soil carbon (C) is the main contributor due to
its higher C content. The mass of carbon (C) in the atmosphere is only half
that in the soil C reservoir (Biasi et al.,, 2014). Therefore, it is critical to
guantify current and predict future C fluxes between the solil reservoir and the
atmosphere. Soil C is mainly represented by organic carbon (OC) and peat
soil is the largest reserve of terrestrial OC (more than one-third of the world’s
total soil C pool) (Adeolu et al 2018; Dinsmore et al., 2010). Peat soils consist
of large number of preserved plant debris is also a long-term storage place for
OC, because the impermeable layer of material clogging drainage will be
generated when these plant debris decay, producing the anoxic conditions

suitable for OC accumulation (Parry, 2014). Therefore, the role of peatlands is
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essential in regulating global atmospheric C storage. In recent years, human
activities such as deforestation, farmland development and other landscape
changes caused by land use increased C release from peat soil to
atmosphere or peat soil to water, which have significantly affected CO2
concentration in the atmosphere and intensified the process of climate change
(Roulet, 2000). The main consequences of climate change involving
increased temperature and altered precipitation patterns will continue the
change the C transport in the peat system. Therefore, many peatlands have
been converted to large CO:2 sources (Dinsmore et al., 2010; Gunther et al.,
2018). Furthermore, many water collection areas are often correlated with
peat soils, so climate change can significantly impact on water quality and

treatment (Liski, J et al., 1999; Schiesinger, 1984).

Although many studies have evaluated the C storage in UK peatlands
(Chapman, 2009; Dawson et al., 2002; Pawson et al., 2007; Pawson et al.,
2008; Worral et al.,, 2011), C has dynamic behaviours due to the high
sensitivity of peatland to environmental changes. Therefore, it is expected that
C flux will change in the long-term period due to the different environmental
caused by climate change. Because of this potential change, it is necessary to
measure change in OC mass balance of upland catchments. The total change
will be the sum of changes in direct and indirect emissions. This means that

the present and future C can be continuously release to atmosphere directly
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(direct flux) from in-situ intact primary peat or indirectly (indirect flux) from
transported and dispersed peat (Figure 12). In recent years, many
technologies developed for quantifying direct C flux by measuring GHG
emissions such as surface chambers, eddy covariance techniques or airborne
measurements have been well-studied extensively and played an important
role in upland peat catchment (Krauss et al., 2016; Lorke et al., 2015).
Meanwhile, since the roots of many plants can extend to the peat soil at a
considerable depth, a large number of root litter enters directly into deep layer
of peat soil, resulting in higher C content there (more than 60% of C).
However, there is an extreme lack of oxygen in the deep peat soil and oxygen
outside the soil penetrates slowly because of drying. Therefore, low amount of
C is directly oxidised to CO2 and released into atmosphere from the intact
peat at a very slow rate (Ekschmitt et al., 2008). Therefore, direct C emissions

from peat soil is less important to study.

Indirect C emissions from peat soil are largely inferred by aquatic OC flux and
they mainly come from spatially or temporally dislocated peat deposits caused
by stream transportation (Figure 12). Therefore, there is a requirement to
guantify OC flux in stream in order to infer the indirect GHG emissions. OC
from peat soil is promoted to be released into stream in the form of dissolved
OC or particulate OC (DOC or POC) due to the erosion of water and

mobilised through multiple sources involving stream system and its
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consequent deposition mechanisms, both DOC and POC are significant
components of stream. This OC will change more quickly (e.g. participate in
reaction to produce more COz2), because it has a higher SSA and be under
wholly oxic conditions whilst in transit. In addition, this long-term continuous
output of OC from soil can occur at different points of the entire peatland area,
and OC will be constantly dispersed in the system along with the stream. All
of these make indirect C flux more complicated and therefore increase the
difficulty of quantification. Moreover, OC within transit of stream can be
continuously released to the environment in all different forms (particulate,
dissolved, gaseous), so the indirect C flux is generally larger and more
significant than direct C flux. Therefore, in contrast with direct C flux, indirect
C flux is more important. The stream systems are one of the most important
globally CO2 atmospheric emissions and OC flux is a predictor of indirect
GHG flux. The determination of OC flux including long-term trend is essential
for the assessment of peatland stability (Clark et al., 2007; DelSontro, 2018;

Dinsmore et al., 2010; Worrall et al., 2007; Worral et al., 2011).

71



Direct GHG fluxes Indirect GHG fluxes

! | l

N(“m::;. e \.»,,M ;,Lk\pn“'

04 lll

T i
*,“ ||4$< (G4l Wit

] »‘}‘“

“I f-.l

Rivo\,.\
. L
Upland peat

Quantifying carbon/

fluxes transported N
\

»»55»..»z.fu;n»)n.ﬁJ,mmﬂh* M \ o ol ol

Lake/reservoir sediment

Figure 12 The occurrence and pathways of direct carbon flux and indirect

carbon flux from upland peat catchment (Do, 2013; Tranvik et al., 2009).

Although there have been many analysis reports on OC flux in recent years
that promote improvements in our understanding of OC emission rates and
factors (e.g. hydrology, pH, temperature or land-use management) influencing
them (Do, 2013; Pawson et al.,, 2008), it is still not enough to predict the
mobilisation of OC in stream. OC transported in runoff is dispersed and
produced via a series of processes each of which is variable under the
influence of vary hydrology conditions (Q), leading to different end points of
OC transmission (Worrall and Burt, 2005). Therefore, the impact of Q on OC
transmission cannot be ignored. Previous studies have shown that discharge
event with high Q cause an increase of both DOC and POC in stream,
because large number of sediments with OC-rich in peat soil will be
significantly released to stream and transported with high Q during high

intensity low frequency discharge, resulting in a significant proportion of the
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total OC flux that occurs within this period. However, due to inaccessibility of
site under heavy rainfall events, it is difficult to estimate the degree of change
in C flux during discharge event (Hinton et al., 1997; Pawson et al., 2008). All
of this makes indirect flux difficult to measure and has large errors. Therefore,
further study is required, which includes understanding factors affecting
indirect flux and updating measurement methods to obtain long-term and
high-quality datasets. Furthermore, the prediction of future C flux become
more difficult because of the intensification of climate change. The peatland is
desiccated and cracked with weakened vegetation because of summer
drought, leading to physical disintegration of the peat mass through extensive
gully erosion, making it more susceptible to increased winter erosive forces.
Therefore, the erosion of peatland will be accelerated by enhanced summer
temperatures and winter storminess, leading to physical degradation that
impacts on C storage in peatland (Evans et al., 2006). The changes in the OC
flux are important because the upland peat catchments are not only C stores
but water collection areas. OC accumulates in peat as NOM and therefore
aguatic OC provide an indication of NOM content in stream. NOM is
responsible for water taste, odour and colour, so NOM in stream can be the
origin of various problems in quality of drinking water. Meanwhile, NOM also
impacts on water treatment through the formation of disinfectants by-products
(DBPs) such as trihalomethanes or haloacetic acids after reacting with

chlorine-containing disinfectants within water treatment. These DBPs are
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harmful to human health (Volk et al., 2002). Overall, given the importance of C
storage and water quality, the measure or predict the results of ongoing and
future changes in upland peat catchments on aquatic OC fluxes. This is the
main aim of this project which is a prerequisite for controlling OC flux to

reduce its impact on the global C cycle.

Indirect GHG flux will not be solely a consequence of OC flux but also the
lability of the OC. The lability of OC in soil has increased its sensitivity to
environmental changes caused by land management. The storage of soil OC
is easily influenced by land use and agricultural practices. For example, rapid
decomposition caused by the disruption of soil structure will promote loss of
OC (Benbi et al., 2015; McLauchlan and Hobbie, 2004). The lability of OC will
be affected according to its size and generally the lability and resulting
mobility increases in a smaller size, because it is more reactive (higher SSA).
Therefore, OC will be separated into two size fractions in this project: mixing

of POC and DOC (UF: unfiltered) and DOC (<0.2 ym).

Future prediction and monitoring of representative OC flux are two major
challenges in achieving the aim. The Southern Pennies (UK) Peak District
National Park with high level of OC content provides a suitable place to
monitor and compare OC flux under different environmental conditions,

because it has upland peat catchments and is known to have the highest of

74



erosion rates in peat soil in the world due to land-use management
(mismanagement) (Evans et al., 2006). Peatlands in UK are constantly facing
natural erosion from environment such as wind, gravity, rainfall and flowing
water as well as pressures from anthropogenic activities such as atmospheric
pollution, agricultural activities, solid waste pollution and climate change.
Therefore, erosion is the likely future situation of upland peat so the eroded
site (site 50) with degraded peat and lack of vegetation can be a model of
future conditions and used to prediction of future OC mobilisation under
higher erosion of warming climate. Meanwhile, there is also an uneroded site
in Peak District National Park (site 30), because the revegetation of plant
species such as sphagnum moss has been done there, which has restored
the natural runoff system and promoted the renewal of peat deposits.
Meanwhile, successful environmental improvement strategies (such as using
physical barriers to block drainage) have effectively reduced the impact of
erosion, water level drops and other adverse conditions (Evans and
Warburton, 2011). The existence of these two contrasting sub-catchments
(site 50 and site 30) is benefit for predicting the future C flux. This is also the
essential requirement for site selection and project development. In addition,
the stream water in upland peat catchments have significant heterogeneity in
hydrochemical characteristics, resulting in difficult of representative sampling
(Rothwell et al., 2007), because different time periods or different hydrological

conditions will affect the OC contents in stream. As a water collection area,
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Peak District National Park allows long-term sampling and associated
hydrological conditions measurement to obtain high quality data sets, which is
a solution to solve the problem. The long-term sampling programme was
described in subsections “Sample collection” of Chapter 2. This is the
important prerequisite for making representative measurement of flux by
interpolation and rating relationship (described in subsections “Continuous

[NOM] and [As] measurements”).

Overall, in order to complete the main aim of this project, it is necessary to
monitor the changes in OC flux in Southern Pennies (UK) Peak District
National Park for further predict and manage OC mobilisation. The following

objectives were set out to achieve the aim:

® Collect samples at different intervals from upland peat catchment of
Southern Pennines (UK) Peak District during baseflow and stormflow

conditions (discharge events).

® Determine continuous [NOM] and Q by using interpolation and calculate

NOM flux for each site.

® Compare the variability in NOM flux between sites and periods and

determine the reliability of flux by comparing with another method of
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calculating flux.

® Make comparisons to previous estimates made in this catchment to

determine whether the change taken place over the years of study?

® Determine how OC change with Q under discharge event and identify the

hydrology conditions of controlling OC mobilisation.

3.2 Materials and methods

Sampling and sample analysis. Stream samples containing NOM were
taken by using of sampling systems (Sigma SD900) at both study sites (site
50, grid reference SE 05650 00943 and site 30, grid reference SE 06172
02965) of Crowden Great Brook in Peak District National Park. A combination
of daily sampling and hourly sampling during baseflow and stormflow
conditions (discharge events) from auto sampler was conducted in stream
water at all study sites. The mechanisms of sampling were described in detail
in the subsection “Sample collection”. From 2017 to 2019, more than 150 and
170 samples were collected respectively from site 30 and site 50, and these
include sampling of two discharge event during April 2017 and April 2019. For
the purpose of this project, all samples were filtered with 5 ym, 1 ym and 0.2
pm cellulose nitrate membrane filters (Whatman, UK) successively in order to

obtain OC concentrations. Subsequent TOC measurement of each size

77



fraction with TOC analyser procedure outlined in the subsection “[NOM]

Measurement” of Chapter 2.

Continuous [OC] measurement and calculation of OC flux. In order to
monitor the OC flux for long period during the entire project, a high frequency
measurement of [OC] is required. Due to the reasons outlined in the
subsection “Continuous [NOM] and [As] measurement” of Chapter 2, it is
difficult to perform continuous measurement of [OC] through high frequency
sampling. In order to solve this problem, two methods of concentration
estimate were conducted in this project. Each method requires calculation of
continuous Q by the pattern described in the subsection “Stage-discharge

relationship” of Chapter 2.

The first is to use simple interpolation to estimate [OC] between sampling
points. [OC] of each daily sample at a specific time was assumed to represent
[OC] of a whole day (24hrs) in river, so the instantaneous OC flux per 15
minutes can be calculated by multiplying interpolated [OC] and corresponding
Q. The sum of these instantaneous OC flux during sampling period were
multiplied by the inter-sample period to give a total mass, and then divided
successively by the specific number of days within sampling period and site
area to calculate the average daily OC flux. Therefore, the estimated value of

OC flux for a whole year or more time can be obtained by multiplying the
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average daily OC flux during the sampling period by the specific number of
days in a year or more years. The limited number of samples will lead to
errors in this method, so it is necessary to introduce another method for
comparison to verify the reliability of results. The second method is to try to

model flux by rating relationship (JOC] vs Q).

The relationship between Q and [OC] need to be established. [OC] of all
samples and corresponding Q at the same time were integrated together to
make a linear regression model. The continuous [OC] can be calculated by Q
at 15-minute intervals for subsequent OC flux estimation. The sum of each
OC mass obtained by multiplying Q and [OC] was divided successively by the
conversion factor (the ratio between the number of days in the Q monitoring
period and the number of days in a year) and site area to estimate the flux
over a long period (one year). However, the random dispersion in rating
relationship may lead to errors in the calculation of continuous [OC], thereby
affecting the results of OC flux. The reliability of results needs to be verified
according to compare OC flux during sampling period or longer period from

both of methods.
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3.3 Results and Discussion

Quantification of OC flux by using interpolation. In order to ensure the
availability of representative and high-quality data set and reduce temporal
variations, samples were collected in different months of project period
(Figure 13). OC flux for each site was estimated by interpolation and reported
in Table 2. Although both of DOC and POC play a key role in most stream
ecosystems and have a significant impact on the environment, it is DOC that
generally dominates the flux of OC. Therefore, DOC is a major source of C to
aguatic ecosystems and has higher mobility than POC (Panton et al., 2020;
Sobczak and Findlay, 2002). This can be clearly seen in Table 2. The DOC
flux of the site 30 and site 50 were 9.78 t/year/km? and 17.1 t/year/km?
respectively and occupied 95.9% and 88.57% of mixing flux (POC and DOC).
Therefore, DOC flux of stream is an important characteristic in aquatic
ecosystems. It has a significant impact on the global carbon balance and
many chemical reactions such as complexation and mobilisation of metals in

stream (Aitkenhead et al., 1999; Mulholland, 2003).

In addition, both DOC and mixing fluxes at site 50 were almost twice higher
than those at site 30 (17.1 t/year/km? vs 9.78 t/lyear/km?and 19.31 t/year/km?
vs 10.2 tlyear/lkm?). This indicates that the erosion of site 50 is a threat to its
OC storage of soil, because land degradation and destruction of peat will be

caused by erosion, leading to reduction of OC sink. The peat soil at site 50
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may be converted to a net source of OC, which undoubtedly increases the
amount of OC input, leading to higher PCO and DOC fluxes. Meanwhile, the
increase in OC flux will aggravate output of GHG, thereby accelerating the
process of greenhouse effect, leading to the rise of temperature. Rising
temperature will continue to increase soil erosion (explained in the subsection
“Introduction” of Chapter 3), resulting in increased terrestrial runoff and
significantly affecting sediments release. This vicious circle can lead to
continuously intensifying indirect C flux from peat soil and it has thus become
a key global environmental problem (Gomes et al., 2019; Ma et al., 2021;
Worrall et al., 2011). Unlike site 50, site 30 with lower erosion and higher
vegetation coverage has a much lower OC flux in stream, suggesting that the
original peatlands are more likely to act as C sinks rather than net sources

(Gorham, 1991; Gorham and Rochefort, 2003).
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Table 2 Estimation of OC flux in different forms by interpolation for each site.

Mixing flux of

Study sites POC and DOC DOC flux % of DOC flux in
(tlyear/km?) (tlyear/km?) total mixing flux
Site 30
(Uneroded 10.2 9.78 95.9
catchment)
Site 50
(Eroded 19.31 17.1 88.57
catchment)
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However, the estimation of flux by using interpolation extremely relies on the
Q values and OC concentrations that are easily affected by climate or various
hydrological conditions during sampling period. Therefore, variations in flux
are inherent due to different and limited samples, even for each sampling
period (Figure 14) (Walling and Webb, 1985). OC flux is not determined by a
single factor, and higher OC concentration or larger Q can contribute to more
flux. Although more than 150 and 170 sample results are used respectively for
interpolation and the frequency of these samples is as high as daily, it will
ignore the large changes in conditions that occur during non-sampling period
(Figure 13) and it is not even possible to effectively capture the impact of
rapid DOC transport on the flux caused by a heavy rainfall event on a certain
day during sampling period, leading to over or under estimation of flux
(Panton et al., 2020). Due to the limitations of interpolation by using the low
temporal resolution dataset, OC flux was evaluated through modelling of

rating relationship (JOC] vs Q) for verifying the reliability of the OC flux.
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Figure 14 Estimation of OC flux at site 30 (A) and site 50 (B) by interpolation

for each daily sampling period.

Comparison of fluxes by interpolation and rating relationships. Due to
the limitation in interpolation, another flux estimation method was introduced
for each site to verify the reliability of the results by comparing with
interpolation. According to Table 3, OC fluxes estimated by rating relationship

between [OC] and Q for were slightly higher than those estimated by
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interpolation except for the mixing flux of site 30 (10.33 t/year/km? vs 10.2
t/lyear/km?). Therefore, it is still be proved that DOC is obviously the dominant
OC flux in stream and higher OC flux can be caused by erosion. Although the
reliability of rating relationship curve requires further analysis, the similar of
the estimated values from the two methods at least improves confidence in
the accuracy and reliability of the OC flux values. Overall, the global C cycle
will be strongly influenced by erosion and this situation must be considered
while assessing the indirect C flux. It is necessary to reduce erosion and C
release through adopting land protection measures, which is benefit for

slowing the climate change (Lal, 2003).
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Table 3 Estimation of OC flux in different forms by rating relationship for each
site and compare with the values estimated through the interpolation (Italic

values in brackets).

Mixing flux of
Study sites POC and DOC DOC flux % of DOC flux in

(tlyear/km?) (tlyear/km?) total mixing flux

Site 30 (uneroded

catchment) 10.33 (10.2) 9.55 (9.78) 92.48% (95.9%)
Site 50
(Eroded 18.35 (19.31) 16.5 (17.1) 89.91 (88.57%)
catchment)

Comparison of OC flux with previous estimation. Do, P. D. have estimated
the POC-containing OC flux in this study area in 2013 (6.74 t/year/km? for site
30 and 8.86 t/year/km? for site 50). The fluxes measured this time for both
sites have increased by comparing to previous estimation, especially at site
50 (more than twice). Erosion is the dominant factor leading to the significant
increase in OC flux at site 50 and OC flux will continue to change over long
time. The role of stream systems in the export of OC from peatlands has been

increasingly recognized in this situation. Therefore, the factors that contribute
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to the increasing export of OC have been a significant research focus

(Pawson et al., 2012).

Relationship between [OC] and Q. In order to predict and manage of OC
transport in stream, it is paramount to determine the association between OC
concentration and hydrological factor (Q). Neither POC-containing OC nor
DOC (both R? were 0.0011) concentration almost had no correlation at site 30
(Figure 15). The dataset is mainly composed of daily samples under baseflow
(low Q). Generally, DOC concentration is relatively low during baseflow and
will not show a seasonal pattern (Buffam et al., 2001). Therefore, significantly
different Q still produces many similar OC concentrations, and different OC
concentrations can be shown under similar Q characteristics. Unlike site 30,
there is a weak positive but significant correlation between OC and Q at site
50 in Figure 16 (R? 0.16 for POC-containing OC concentration and R? 0.11 for
DOC concentration, both P < 0.05). This indicates that OC is more likely to be
affected by Q, because erosion will cause serious depletion of the soil C pool
on eroded compared with uneroded or slightly eroded soils, leading to the
export of C from peat soil to stream along with Q easily (Lal, 2003). The
relationship between [OC] and Q is still not high enough, mainly because daily

samples account for majority in the dataset.
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Figure 16 Relationship between [OC] and Q for A) UF and B) <0.2 ym at site
50. Each point represents a Q and [OC] measurement caught at the same

time.

Figures 17 and 18 are plotted with Log (concentration) v Log (Q) to verify
whether the dilution is the dominant factor affecting OC concentration.

However, correlation between Log ([OC]) and Log (Q) did not improve, and it
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became even worse at both sites (Figure 17 and Figure 18). Therefore,
dilution is not dominant. Overall, the correlation between [OC] and Q based
on daily samples from the two sites is relatively low. However, recent studies
have reported that the concentration of DOC rises significantly in stream
during stormflow (discharge event). Most of OC export from soils to streams
during high Q following intense rainfall events. Although the intense rainfall
events are short duration that occupy 4 — 24% of time a year, there are large
proportion of the annual DOC export (36% to >50%) during this period
(Buffam et al., 2001; Clark et al., 2007; Hook and Yeakley, 2005; Panton et al.,
2020; Willey et al., 2000). Therefore, it is very important to accurately evaluate
the change of DOC concentration during discharge event for the calculation of
OC flux and the prediction of future long-term trend. Since the changes of Q
within stream is rapid during discharge event, it is difficult to capture the
influence of Q on the OC concentration by low temporal resolution sampling
(daily sample). Higher DOC concentrations in discharge event are often
missed during daily sampling (Clark et al., 2007; Vaughan et al., 2019). In
order to quantify the influence of Q on the OC concentration during discharge

event, high temporal resolution sampling is necessary (hourly sample).
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Mobilisation of OC within a discharge event. It has been proved that the
direct evidence of the impact of variability Q on OC cannot be found in the low
temporal resolution sampling results in this study. Therefore, the assessment
of high temporal resolution results on 04/2019 was carried out for determining

the effect of Q during discharge event. Generally, DOC concentrations in
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stream have been taken as indicative of OC concentrations and DOC flux is
the dominant OC flux (Sobczak and Findlay, 2002). Meanwhile, DOC
concentration of each sample is similar to POC-containing OC concentration,
so this subsection mainly analyses the change of DOC concentration with Q.
Figure 19 shows changes in Q and [DOC] throughout the discharge event.
The DOC concentrations at both sites rose as Q increased and decreased
after peak flow (558.4 I/s at site 30 and 89.93 I/s at site 50). This positive and
significant correlation between DOC concentration and stream Q was also
reflected in Figure 20 (R? 0.63 for site 30 and R? 0.39 for site 50, both P <
0.05). Multiple previous studies have shown that this correlation is one of the
most consistent observations about DOC dynamics (Clark et al., 2007). One
of the important drivers of stream Q is precipitation, so vary precipitation
patterns will affect stream Q in riverine ecosystems (Frauendorf et al., 2019).
The flushing of superficial soils on peat soil during discharge event is a
common phenomenon in OC-rich peatland systems. The flushed terrestrial
OC is rapidly transported to the stream and mobilised downstream by the
increased Q. Meanwhile, DOC concentration in stream can also be
contributed by atmospheric deposition that will increase during discharge
event (Panton et al., 2020). Therefore, DOC concentrations and Q typically
will rise within discharge event, leading to the larger OC yield (Fellman et al.,
2009). The instantaneous peak fluxes of DOC at site 30 and site 50 were

215.82 kg/day/km? and 354.62 kg/day/km?). In addition, the high-resolution
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time series of [OC] v Q during discharge event for both sites is shown next to
[OC] — Q relationship curves. Clockwise trajectory was shown at site 30
(Figure 20 A) and this occurs when concentrations increase more rapidly than
the observed Q (Figure 19 A). This is named ‘Proteresis’ and it means a ‘flush’
response. However, the trajectory of site 50 was anticlockwise (Figure 20 B),

indicating hysteresis (Figure 19 B) (Boyer et al., 1997).

Since DOC export during discharge event is an important role for the
environmental carbon cycle, it is critical to understand the impact of different
land types (such as eroded site and uneroded site) on the OC concentrations
in order to predict and manage OC mobilisation in the stream (Fellman et al.,
2009). According to Figure 19, even if the Q including the peak flow at site 30
was much greater than site 50 for most of discharge event period, the mean
DOC concentration at site 50 was close to that at site 30 (7.9 mg/L vs 8.98
mg/L), the peak value of DOC was even higher than that of site 30 (22.82
mg/L vs 14.22 mg/L). This suggest that erosion has aggravated the export of
OC from peatland. Erosion is a destructive process, especially under the
impact of human activities. It depletes the soil fertility and destroys the soil
structure, resulting in loss of OC in peat soil (Lal, 2003). Meanwhile, since
transport of surface runoff and sediment can carry the soil C during erosion,
water erosion has the greatest impact on OC storage (Ma et al., 2014).

Therefore, erosion is important factor for controlling export of OC and it can
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influence OC concentrations in stream through hydrological process (e.qg.
process of runoff and sediment transportation) and land-surface
characteristics, resulting in OC to be more significantly influenced by Q. The
duration and intensity of rainfall are two principal factors affecting erosion,
because the soil aggregates will be broken into individual components by the
kinetic energy of raindrops and then removed easily by runoff (Fellman et al.,
2009; Ma et al; 2014). In view of the adverse effects of erosion on the global
C cycle by accelerating the indirect C flux and meanwhile erosion is likely to
be the situation of peatlands in the future, its impacts on release of GHG (CO32)
and global C cycle must pay more attention. The export, transfer and
redistribution of soil OC caused by discharge event (high Q) and erosion is
obvious. Therefore, due to the acceleration of the greenhouse effect and the
risks of climate change caused by erosion, it is important and necessary to
project and restore the soil resources by sustainable management of soil,

which is increasingly recognized by the international community (Lal, 2003).
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3.4 Conclusions

This study evaluated in detail the OC fluxes within eroded (site 50) and
uneroded sites (site 30) in Peak District National Park through interpolation
and rating relationship. The OC fluxes estimated from two methods are close
and it is benefit for improving the accuracy of the results. The determination of
OC flux will be the key to predicting the indirect C flux in peatlands and

resulting GHG (CO2). The estimated OC fluxes for both sites significantly
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exceed values previously reported in 2013. This suggests that the OC flux will
change continuously over a long period of time. DOC fluxes reported from
both sites are very high, so it is the dominant in OC flux. In addition, both
POC-containing OC and DOC fluxes at eroded site are much higher than
those of uneroded site, indicating that larger OC release from peat soil is
driven by erosion. Overall, site 50 is an example of a serious eroding peatland
where loses large amount of C through land degradation and hydrological
process caused by erosion, leading to the significant impact on environmental
C balance. Site 30 and site 50 are potentially C sink and C source
respectively. The prediction and management of future C fluxes can be
improved through comparison of OC fluxes between two sites. For example, a
reasonable land management strategy (e.g. increasing vegetation coverage)

will reduce erosion in peat soil and protect OC storage.

The analysis of the low temporal resolution sampling results identifies that the
correlation between OC concentration and Q is weak at both sites because
the OC concentrations under baseflow are generally low and there is no
seasonal pattern. In addition, OC — Q correlations at site 50 is slightly higher
than that at site 30 and it means that erosion makes release of C more
susceptible to Q, leading to mobilisation of OC. The results from high
temporal resolution sampling within discharge event demonstrate the

important role of Q as a control on the transport of OC from peat soil to
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stream. OC concentrations at both sites is susceptible to be influenced by
high Q and therefore obviously increased as Q rose. The results confirm
previous studies highlighting the significant positive correlation between OC
concentration and Q during discharge event. In addition, in the case of a large
difference in mean Q between the two sites (site 30 >> site 50), the mean OC
concentration is close. This indicates that the erosion is a significant factor
that aggravating the mobilisation of OC and attendant emission of GHG.
These results can help us to better understand the impact of erosion and

climate change on the dynamics of OC in streams.

Overall, when OC is eroded and redistributed via aquatic systems, indirect C
flux from peat soil is larger and less well-constrained than direct C flux. As a
result, erosion has caused more GHG emissions and aggravated the process
of climate change such as changed rainfall pattern and increased temperature.
Meanwhile, climate change will continue to intensify erosion in peat soil (e.g.
higher temperature causes the drier peat soil), resulting in more C loss. This
vicious circle has severely disrupted the global C balance. Therefore, it is
critical to quantify current and predict future C fluxes in upland peat catchment
and this will be completed and improved by longer-term monitoring and

analysing data.
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Chapter 4. Effect of NOM on speciation and size of Fe change with flow
path, pH, temperature and daylight in natural waters

4.1 Introduction

Fe in natural waters. In water Fe is soluble in the absence of dissolved
oxygen (D.O.) as predominantly Fell, whilst particulate in oxic environments
as suspended insoluble Felll(hydr)oxides which may coagulate and be
deposited. In natural waters the range of pH and Eh is such that the state of
Fe can vary across this full range of valency, solubility and size. The ubiquity
of Fe means predicting this variability is, therefore, often critical to managing
the aquatic environment because it can change the availability both of
metabolites to drive geomicrobial transformations and the ratio of surface area
to fluid volume (specific surface area; SSA) (Baalousha, 2019; Viollier et al.,

2000).

Fe can be oxidized or reduced within natural waters and each process can be
harnessed in microbial metabolism with consequent changes in mobility of Fe
and metabolites such as sulfate, nitrate and heavy metals. To predict the
location of such transformations can be critical for managing water quality and
is dependent on predicting the location of Fell and Felll (Baalousha et al.,

2006; Vignati, 2003; Weber et al., 2006).
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The mobility of many contaminants and nutrients in most natural waters is
largely controlled by sorption rather than precipitation and consequently the
SSA is a critical control on their distribution in the aquatic environment. Fell is
the precursor of, and Felll(hydr)oxide often forms a large proportion of, the
SSA in natural waters. Prediction of contaminant and nutrient fluxes within
and from the aquatic environment is dependent on predicting the presence

and specific surface area of Felll(hydr)oxide (Weber et al., 2006).

Fe NOM interaction. The relationship of pH to rates of oxidation of soluble
Fell and production of particulate Felll(hydr)oxide has been well understood
for many years (Davison and Seed, 1983). However, defining the role of
components other than H+ and D.O. in precipitation and the subsequent
controls on particle size distribution and are an ongoing requirement of
research. Of these other components NOM has often been shown to exert
dominant control on Fe speciation and size - via precipitation and
agglomeration of Felll(hydr)oxide. Fe behavior is controlled by both direct
interaction with NOM and via inorganic and organic species produced from
NOM, typically by photochemical processes (Catrouillet et al., 2014; Chen and

Thompson, 2018; Riedel et al., 2003).

Fe complexation with NOM has been shown to slow Fell oxidation,

precipitation of Felll(hydr)oxide particulate and subsequent agglomeration
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(Emmenegger et al., 1998; Gaffney et al., 2008; Liang et al., 1993; Jackson et
al., 2012). However, in order to improve reliability in prediction of the behavior
of Fe in natural waters that contain NOM requires expansion of the range and
combinations of variables used in laboratory simulations so as to match an

extended range of environmental conditions.

Importance of anoxic interaction of Fe and NOM. In this work the primary
extension of conditions is to consider anoxic interaction of Fell and NOM and,
therefore, also compare sequential with instantaneous mixing of Fe(ll), NOM

and D.O. (Figure 21).

Most previous work has focused on the role of NOM in controlling oxidation of
Fell and therefore laboratory model systems have mixed Fell, NOM and D.O.
at the same time (Chen and Thompson, 2018; Miller et al., 2009; Theis and
Singer, 1974; Von Der Heydenm et al., 2014). A central finding of these
studies has been the binding of Fell to NOM and its preservation in oxic
waters. This observation of binding of Fell by NOM under oxic conditions
suggests it could also be bound before being exposed to D.O.. If this were the
case it would change Fe behavior in the anoxic subsurface but also make
whether the mixing of Fell with NOM and D.O. is coincident or sequential, a
variable in controlling the eventual speciation and particle size of Fe in oxic

waters.
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The coincident mixing (Type A interaction) that has mostly been studied
simulates a natural environment limited to the oxycline; a boundary zone
between anoxic and oxic waters (Emmenegger et al., 1998; Liang et al., 1993).
Sequential mixing (Type B interaction) is likely to be more environmentally
relevant as it simulates interaction of Fe and NOM in the subsurface, a zone
of much greater extent and in which residence times are longer, prior to

exposure of Fe(ll) to D.O..

OXIC
A NOM
Fell Felll(hvdr)oxideFelll(hydr)oxide
B ANOXIC OoXIC
NOM

Figure 21 Schematic of A) typical simulation conditions under which
transformations of Fell to Felll(hydr)oxides are studied; coincident mixing
[(Fell+tNOM+D.0O.)] and B) conditions which simulate more generally

applicable conditions; sequential mixing [(Fell+NOM) + D.O.].

Limitations of previous work on anoxic binding of Fell. In response to this
rationale Jackson investigated Fe(lll) (hydr)oxide production after Fe(ll) first
interacted with NOM in the absence of D.O. and on its subsequent exposure

to D.O. saturated waters. Jackson found, using ferrozine assay, that only 7%
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of Fell was bound to NOM anoxically, compared to the 78% in an oxic mixture
and concluded that anoxic binding would not be a dominant influence on
eventual Fe SSA production (Jackson et al., 2012). However, the results may
only be relevant to the pH of the study, which at 6.2 is below that of most
natural waters. Daugherty found that between 5% and 20% Fe bound to NOM
anoxically but neither the subsequent effect on particle size nor comparison to
the fate of Fe, when D.O. and NOM exposure were coincident, was made
(Daugherty et al., 2017). Fell binding to NOM in natural waters was also
observed by Liu but its controls were not investigated, and as in the other
studies the NOM was not characterised and selected so as to be as

representative of relevant NOM as possible (Liu et al., 2017).

The requirement remains therefore, to determine whether and under what
conditions, NOM can control not only Fell mobility in the subsurface but also

subsequent speciation and size of Fe in oxic surface waters.

Daylight exposure and temperature. The oxygen status of natural waters is
strongly correlated with exposure to daylight and temperature. Anoxic waters
are almost inevitably dark and oxic light, consequently, inclusion of daylight
exposure as a variable will make simulations more environmentally relevant.
Similarly, whilst it is not the case that one is always warmer than the other, for

most of the year there is a difference in temperature of ground and surface
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waters, which should also be included as a variable. Consequently,
environmental relevance requires that simulation of mixing order should also
test the impact of daylight exposure and temperature. Fell oxidation is caused
by Oz, O2 (superoxide) and H202 (Santana-Casiano et al., 2005) and the
concentration of the latter in natural waters is produced by the action of UV
light on NOM (Cooper et al., 2005). Furthermore, photolysis of NOM also
generates species that oxidise Fell although this process is limited because
the organic oxidants which are produced by photolysis in daylight, are only
stable in darkness and, furthermore, they promote oxidation only under acid
conditions (Garg et al., 2013; Garg et al.,, 2013). The net result of the
presence of Fell, NOM and UV is, therefore, complicated and requires further
investigation because, as previously stated, NOM is also known to slow the
oxidation of Fell as a result of complexation (Jackson et al., 2012; Theis and

Singer, 1974; Miller et al., 2009).

Selection of NOM. Due to the wide compositional heterogeneity of NOM
(Jaouadi et al., 2012; Penru et al., 2013), the balance of efficient design of
simulations and their general applicability to natural waters can only be
achieved by classifying NOM into a small number of types and/or selecting a
type of NOM that is representative of many natural waters. Classification by
size was chosen because it is directly related to reactivity and mobility, and

material can be definitively separated into size classes for use in experiments
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(Taujale et al., 2016). Classification by chemical composition is comparatively
less effective, as it requires selection of characteristics by which to classify
and the relationship of the characteristics to provenance or fate is less clear

and consistent than is the case for size (Daugherty et al., 2017).

Waters draining deep peat have been selected as the source of NOM
because this largely humic material dominates many natural waters, is
present in almost all natural waters and mature NOM shows greater
interaction with Fe — humic acid (HA) interacted more than landfill leachate or
aguagenic NOM (Cheng and Allen, 2006; Jackson et al.,, 2012). Large
particles of NOM (>1 ym) were removed from samples as they were unlikely
to be present or mobile in both groundwater and runoff. In order to reduce
site-specificity of this NOM it was standardised by selecting a single class for
use. To maximise the relevance of a single size fraction it should be the one
likely to have the most pervasive effects; it should form the largest proportion
of the TOC surface area, a function of both size and concentration. As
concentrations of NOM in each size class are liable to vary seasonally and
with discharge a programme of monitoring both NOM and discharge in the
stream draining the deep peat was used to allow colloidal particle size
distribution of NOM to be recognised and long-term (3 years) mass fluxes of

each size class to be calculated.
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Whilst provenance and size are used to select the NOM in this study, in order
that results can be related to other (future or previous) work in which NOM
has been chemically characterised, the selected NOM has also been

analysed by gas chromatography mass spectrometry (GC-MS).

Aim and objectives. This work will use laboratory systems to simulate anoxic
mixing of Fe and NOM and compare the effects of coincident and sequential
mixing order to understand hydrochemical controls on the mobility of Fe. The
Crowden Great Brook (Derbyshire, Peak District, UK) is chosen for the river
system that allows for production of NOM stocks and easily measurable Fe
concentrations. The generality of the findings will be maximised by making the
comparison across a range of environmentally relevant pH, temperature and
daylight exposures and by selecting the NOM used to be as representative as
possible. This also can contribute to prediction of the character and
distribution of SSA in natural waters. Fe speciation will be resolved into free
Fe(ll), bound Fe(ll), bound Fe(lll) and Felll(hydr)oxides whilst particle size, as
a proxy for SSA, of starting materials and end-products will be assessed by
molecular weight cutoffs at 10 and 3 KD. In order to achieve the aim of this

work the following objectives are:

® To determine if the Fe-NOM interaction takes place under anoxic and oxic

conditions.
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® To develop the Fe-NOM experiments by addition of different conditions
(Fe:NOM ratios, pH, light, temperature and mixing order of Fe, NOM and

D.O.).

® To monitor the rate of Fe-NOM interaction under different experimental

conditions and analyze their effect on interaction and products.

® To analyse PSD of Fe or NOM after interaction and determine if there is a

change.

4.2 Materials and methods

Collection of NOM. Samples of runoff were collected from an instrumented
stream draining an upland peat catchment, Crowden Great Brook, in the
Southern Pennines of the UK (UK grid reference SE068001). Whilst pollution
and land management practices have damaged extensive areas of upland
peat in the Southern Pennines, causing vegetation degradation and erosion,
the catchment upstream of the sampling point used in this study had a

complete vegetation cover.

Size separation of NOM. NOM was standardised to the non-settling fractions

only (colloidal and dissolved) by pressure filtration through 1 um membrane
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filters (Whatman, UK). Prior filtration through 5 pum membrane filter was

necessary to prevent clogging of the 1um filter.

Sub 1pum NOM was separated by TFU into 5 size classes: <1>0.2 ym, <0.2
um >100 KD, <100>10 KD, <10>3 KD and >3 KD using polyether sulfone
membrane plates (Vivaflow50, Sartorius, UK). The membrane plates were
flushed with DIW prior to use this was done until no OC was detectable in

filtrate or retentate.

TFU was used instead of direct flow ultrafiltration as the direct pressure in the
latter can lead to larger particles blocking or being pushed through the
membrane. The tangential flow in TFU avoids this problem as fluid passes
across the filter plate and material is separated by osmosis. However, whilst
pressure filtration has a clear endpoint — when the sample volume has passed
wholly into filtrate — TFU does not and separation may be incomplete.
Validation is, therefore, necessary but rarely reported. In this work validation
of separation was achieved by monitoring the mass balance of the OC. The
mass of OC in the filtrate was calculated by multiplying its volume by the TOC
concentration and separation was deemed complete when the mass became

constant.
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To achieve constant mass the process had to take place for so long that the
retentate volume had to be replenished. The stream water was of low
electrical conductivity (EC), circa 40uS, so rather than attempt to maintain a
constant EC, DIW was used which did result in EC dilution from 40 to 5uS

during the process.

Selection of appropriate size class of NOM. 20 samples were taken from
the monitoring point on Crowden Great Brook across a range of discharge
conditions over 3 years. Discharge was monitored at 15 minutes resolution
and a flow duration curve was constructed for the monitored period. TFU of
each sample produced NOM concentrations for each size fraction, these were
then assumed to apply across a range of discharge centred on the discharge
measured at the time of sampling. The volume of water discharged within
each range was calculated from the flow duration curve and multiplied by the
NOM concentration in each size class; this gave the mass of NOM of each
size discharged within each discharge class. The masses in each discharge
class were summed to give the total mass flux for each size class during the

monitored period (Figure 22).
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Figure 22 Proportions of total mass of OC within particular size classes in
runoff from Crowden Great Brook. Calculated from measurements of

concentration and discharge made over 3 years.

30% of the long-term mass flux of NOM was <3 KD, although this fraction was
smallest in size and the largest component of flux it could not be used in the
experiments as it could not be concentrated because it was the filtrate from
the lowest available molecular weight cutoff. The <10>3 KD fraction was the
dominant size class of the remaining NOM and was selected for use in the
experiments; this was 26% of the NOM flux and small enough to remain
mobile in natural waters particularly within the porous materials of the sub-

surface. Previous work has shown humic substances to be <14 KD therefore
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this study is comparable to those using fulvic substances (10-14 KD) (Yan et
al., 2012), also in surveys of natural waters metal binding to NOM the largest
proportion of metals including Fe are typically bound by <10 KD NOM (Luan

et al., 2015).

Chemical characterisation of selected NOM. The NOM was prepared for
analysis by freeze drying. Approximately 1 mg of dry material was analysed
by pyrolysis gas chromatography mass spectrometry (Py GC-MS). It was
weighed into a quartz sample tube and pyrolysed using a Chemical Data
Systems 5200 series Pyroprobe by heating at 700°C for 20 seconds.
Liberated fragments were analysed using a Agilent 7890A Gas
Chromatograph interfaced with an Agilent 5975A MSD Mass Spectrometer
operated in electron ionization (EI) mode (scanning a range of m/z 104 50 -
600 at 2.7 scans s, ionization energy 70 eV and a solvent delay of 1 min.).
The gas chromatograph was equipped with a Zebron ZB-5MS column (length
30 m, I.D. 0.25 mm, film thickness 0.25 um). The pyrolysis transfer line and
injection temperature were set at 350°C, the heated interface at 230 °C and
the MS quadrupole at 150°C. Helium was used as the carrier gas and the
samples were introduced in split mode (split ratio 5:1, constant flow of 5
ml/min). The oven was programmed from 40°C (for 5 mins) to 320°C at 4°C

min ! and held at this temperature for 10 mins.
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Compounds were identified from chromatographs by comparison of relative

retention times and spectra to those reported in the NIST library. Peak areas

were calculated for each compound to allow semi-quantitative attribution of

their relative proportions. Whilst the characterisation was primarily to allow

comparison to other samples; to assemble a “fingerprint”, the compounds

detected were grouped by degree of oxidation to also give some functional

relevance.
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Figure 23 Relative abundance of compounds in terms of degree of oxidation

in different size classes of NOM collected from Crowden Great Brook (only

size classes in which enough solid could be isolated were analysed).
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As size decreased the proportion of aromatic moieties detected by Py GC-MS
increased, reaching a maximum in the <10>3 KD fraction used in the
experiments (Figure 23). This distribution of moieties suggests the NOM in the
<10>3 KD fraction was more mature than that of the larger fractions and

should, therefore, be most likely to interact with Fe (Jackson et al., 2012).

Preparation of Fell stock solution. 400 ml DIW, in a custom fabricated
gastight container with magnetic stirrer and several sealable ports, a D.O. and
pH electrode, was deoxygenated by purging with Ar whilst stirring. Once
anoxic solid FeClz (Sigma, UK) was added to make a stock of 500 mg/L Fell
and then sealed. D.O. and pH were monitored and no changes were recorded

during the 48 hour periods between making fresh stock.

Fe speciation, total Fe and total OC. Fe Il concentration was determined by
ferrozine  assay  (Stookey, 1970); chelation and  subsequent
spectrophotometry to measure colour development. Free and bound Fe(ll)

were resolved by measuring colour development at different times.

Free Fell was measured by taking 0.5 ml sub-samples and mixing with 0.5 ml
ferrozine in an open 1.6 ml cuvette (semi-micro cuvette, Fisher Scientific, UK)
then measuring colour development after 30 seconds. Each analysis was

repeated 3 times.
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Bound Fell was measured by monitoring colour development and recording
its maximum. This required colour development of a sub-sample to be
monitored at hourly and then daily intervals and was only undertaken on the
sub-sample taken at the end of the experiment — oxic equilibrium. Given the
length of the period in which colour development was monitored it was
necessary to preserve the sub-sample from oxidation and evaporation. This
was achieved by taking the sub-sample in a syringe and mixing it with
ferrozine by connecting a syringe containing de-gassed ferrozine and
repeatedly transferring the combined fluid between syringes. Because each
time colour was monitored required the sample to be decanted into a cuvette,
sub-samples had to be used sacrificially. Therefore, a set of 18 were
extracted at oxic equilibrium and for each measurement of colour 3 replicate
syringes containing sub-sample and ferrozine were used. Monitoring
continued until absorbance was no longer increasing and the maximum value

was used to calculate bound Fell concentration from a calibration line.

Felll(hydr)oxide production during oxidation was calculated from the
coincident production of acidity as done previously (Gaffney et al., 2008;
Jackson et al., 2012). This was recorded as the cumulative addition of base
by the auto-titrator (Titroline 7000, SI Analytics, UK) in order to maintain the
pH at the set value. As a control, a solution of Fell in DIW was monitored on

exposure to air, with the pH maintained at 6.5. Under these conditions all Fe
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should have precipitated as amorphous Fe(OH)s, and when free Fell was no
longer detected and base additions had ceased the equivalent of 3M of H*
had been added for each mole of Fell (Figure 24). Therefore, for subsequent
experiments the proportion of Fe present as Felll(hydr)oxide was calculated

by dividing the experimental base addition by that of the control.
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Figure 24 Base addition on oxidation of Fell in DIW in order to maintain pH

6.5, 0.0366 mmol of base for 0.012 mmol of Fell.

Total Fe concentration was analysed by acidifying samples using
concentrated HNOs to pH < 2 then using inductively coupled plasma atomic
emission spectroscopy (ICP-AES) (Optima 5300, Perkin-Elmer, United
Kingdom). Total organic carbon (TOC) concentration was determined by
furnace and digestion in a total organic carbon analyzer (Shimadzu TOC-V
CPN, Japan). In both cases a set of standards were run every five samples

with drift assumed to be linear and, therefore, corrected by interpolation. The
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pre-drift-corrected error on all standards was below 5%.

Type A interaction. 400 ml with OC concentration of 17.2 mg/L was prepared
by addition of the selected <10>3 KD NOM to DIW in a custom fabricated
gastight container with magnetic stirrer and several sealable ports a D.O. and
pH electrode. Adjustment to the selected pH (6.5 or 7.5) was by auto-titration
with 0.01M NaOH (Analar, Sigma, UK). The fluid was stirred in an open
vessel with the auto-titrator set to maintain the fluid at the experimental pH,
and base addition was monitored continuously during the subsequent
oxidation. When pH was stable after the addition of NOM, Fell stock was

added by pipette to make the requisite Fe concentration.

0.5 ml sub-samples were extracted periodically to determine free Fell
concentration until this fell to zero or remained constant between sub-samples.
At this point a set of 18 sub-samples were taken in syringes to determine
bound Fell concentration. The remainder of the fluid was passed across a 10
KD plate, as above, to determine whether there had been any change in PSD
of Fe or NOM. The endpoint of the filtration was recognised when the mass of
OC in the filtrate became constant and the TOC and total Fe concentrations of

filtrate and retentate were then determined.
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Type B interaction. The fluid containing NOM was prepared as for Type A
above. To measure anoxic interaction the fluid was then deoxygenated by
purging with Ar whilst stirring. Fell stock was added to make the requisite Fe

concentration via a sealable port.

0.5 ml sub-samples were extracted periodically to determine free Fell
concentration. When this remained constant between sub-samples the fluid
was then either used sacrificially to determine whether there had been any
increase in PSD, of Fe or NOM, or the simulation continued with the

admission of D.O..

The former was achieved anoxically by connecting the sealed vessel to the
TFU system and using gas impermeable tubing including the peristaltic pump
tubing (Masterflex C-Flex, Silicone, Cole Parmer), and passing the sample
over the 10 KD plate. In the latter case the stirred vessel was opened to air
and base addition was monitored continuously during the subsequent
oxidation. 0.5 ml sub-samples were extracted periodically to determine free
Fell concentration until this fell to zero or remained constant between sub-
samples. At this point a set of 18 sub-samples were taken in syringes to
determine bound Fell concentration. The remainder of the fluid was passed
across a 10 KD plate, as above, to determine whether there had been any

increase in PSD of Fe or NOM. The endpoint of the filtration was recognised
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when the mass of OC in the filtrate became constant and the TOC and total

Fe concentrations of filtrate and retentate were then determined.

Conditions under which Type A and Type B were compared. Type A and

B simulations were compared under the conditions listed in Table 4.

Table 4 Listing of variables and their ranges across which anoxic mixing (Exp.
1) and Type A and Type B mixing of Fe, NOM and D.O. were simulated. Cells

in bold highlight the parameters being compared.

Anoxic mixing Type A and Type B simulations
Experiment 1 | Experiment 2 | Experiment | Experiment
Fe:NOM pH 3 4
Temp Light
pH 6.5 6.5 6.5
7.5 7.5
Temp. °C 10
25 25 25 25
Light Day Day Day Day
Night
NOM 1:5
1:10 1:10 1:10 1:10
1:15

pH was set at either 6.5 or 7.5 by auto-titrator running as a pH stat and
temperature set and maintained at 10 or 25°C by running the experiments
within an incubator. The incubator (Gallenkamp Cooled incubator, UK) also
allowed daylight to be excluded or standardised; a full spectrum LED light
(Sansi, C21GL-DE27, Sansiled.com) with 153 umol/s/m? and 1448 lumens
illuminated 0.25 m? (5792 Lux). This level of illumination was much greater
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than the open laboratory and simulated outdoor daylight conditions between

overcast and indirect sunlight.

4.3 Results and Discussion

Fe speciation in the absence of NOM. In the absence of NOM, at pH 6.5
and 7.5, at 25°C in daylight, Fe introduced as free Fell was shown by
ferrozine assay to have remained as such for the monitored period of 300
minutes in the anoxic vessel (Figure 26 and 27) and TFU showed no change
in PSD in the Fe solution. On exposure to air free Fell concentration fell to
zero and coincident acid production was sufficient that 98% of the Fell had
converted to Felll(hydr)oxide in 35 minutes at pH 6.5 and 17 minutes at pH
7.5. These findings demonstrated that the apparatus was able to maintain the

experimental conditions and the monitoring procedures were effective.

Anoxic interaction of Fell and NOM. Under anoxic conditions in the
presence of NOM it is apparent (Figure 25) that not all Fell is a free ion; some
becomes bound to NOM and this binding also causes some NOM to
coagulate and both NOM and Fe to become >10 KD (Figure 25); both

processes are discussed below.

Anoxic binding of Fe to NOM. The rate and amount of Fell binding at pH 7.5

increased (46, 80, 100, 100%) as the Fe:NOM decreased (1:5, 1:10, 1:15,
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1:30) (Figure 25). Fell binding capacity for each mg of OC in the NOM can be
determined from the 1:5 and 1:10 Fe:NOM ratios to be in the range 0.067 -
0.08 mg of Fe. This is based on the assumption, which will be returned to in
the section on coagulation, that all OC is identical with respect to its binding
capacity. At pH 6.5 and Fe:NOM of 1:10 Fell binding reached a maximum of
18% a binding capacity (mg Fell / mg OC) of 0.018. The lower capacity is a
consequence of the higher [H'] and increased competition for binding sites on

the NOM.

The 20% of Fell deduced to be bound at pH 6.5 and 80% at pH 7.5, using
ferrozine assay, is much higher than the 7% deduced to be bound by Jackson
et al., (2012). However, Jackson experimented at pH 6.2 and Fe:OC of 1.7
mg/L rather than the 1.7:17 mg/L of this study. Jackson’s conclusion that the
anoxic binding was insignificant, compared to the subsequent binding on
oxidation, appears to have been a judgement specific to a pH that is relatively
low for most natural waters and to a particular Fe:OC ratio. Previous studies
demonstrate the capacity of different kinds of OM to bind with Fe in
subsurface redox conditions (Daugherty et al., 2017; Liao et al., 2017; von der

Heyden et al., 2014).

Binding of otherwise free Fell and therefore its fate in the sub-surface can be

strongly controlled by NOM concentration but the importance of this influence

120



decreases with pH. In the sections below on the effect of mixing order, the
impact of this sub-surface influence on Fe speciation and size when waters
are subsequently exposed to D.O. is determined by comparison to Fe

evolution when Fell, NOM and D.O. are mixed simultaneously.

Anoxic coagulation of NOM by Fe. Anoxic binding with Fell has caused
some of the <10 KD NOM to coagulate as 40 - 90% of Fell became > 10 KD
at pH 6.5 and pH 7.5 (Figure 25). This phenomenon will reduce mobility of Fe
and NOM particularly in porous material and is likely to be pervasive in the
subsurface where very small NOM, as used in the simulations (<10 KD), will
dominate. The impact on mobility will be a function of the size increase,
however, in the experiments this could only be defined by a lower limit (10
KD), as the suspension was only passed over a 10 KD plate, and the upper

limit may have been greater.
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Figure 25 Fe speciation over time under 25 degrees, full daylight and anoxic
conditions. (A) Fe:NOM ratio is 1:5 at pH 7.5; (B) Fe:NOM ratio is 1:10 at pH
7.5 and PSD of Fe and NOM at the end point are shown beside; (C) Fe:NOM
ratio is 1:10 at pH 6.5 and PSD of Fe and NOM at the end point are shown

beside; (D) Fe:NOM ratio is 1:15 at pH 7.5; (E) Fe:NOM ratio is 1:30 at pH 7.5.
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Table 5 Speciation and size of Fell and NOM in mass and % of total in an

anoxic suspension of 1.7 mg/L Fe and 17 mg/L OC.

Bound Fell Fell >10 KD OC > 10 KD
pH 6.5 % 18 42 12
pH 7.5 % 80 90 20
pH 6.5 mg 0.31 0.71 2.04
pH 7.5 mg 1.36 1.53 3.40

TFU was carried out anoxically at only one Fe:NOM ratio (1:10) but at both pH
7.5 and 6.5, the changes in particle size observed allow further information to
be inferred about the NOM involved in, and the strength of anoxic Fell NOM

binding:

At pH 7.5, 1.53 of the 1.7 mg of Fe has become >10 KD but only 3.4 mg of
OC has become >10 KD, therefore, the binding capacity of OC for Fell is 0.45
mg (Table 5). This is much higher than the Fell binding capacity derived
above on the assumption that all NOM is equal with respect to its binding
capacity. Therefore, even after NOM has been constrained to a narrow size
class (<10>3 KD), it remains heterogeneous with only 20% having a suitable

composition for it to interact with Fell.

At pH 7.5 the amount of Fell that has been bound is almost the same as the

amount that becomes > 10 KD by coagulating the NOM to which it is bound.
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The amount coagulated is in fact slightly greater and this positive discrepancy
is greater at pH 6.5. The discrepancy probably arose because although
binding was complete at 5 hours, the TFU process took a further 1-2 hours
during which coagulation may have continued. However, if coagulation of all
Fell that binds to NOM is immediate and therefore also complete at 5 hours,
the discrepancy indicates that Fell is more easily released from the bound

coagulated Fe by ferrozine chelation than by the process of TFU.

The effect of mixing order. At pH 6.5, differences in mixing order (Type A or
Type B) (Figure 26) result in differences in the rate at which Fe speciation
changes and differences in the ultimate proportions of Felll(hydr)oxides,

bound Fell and Felll at oxic equilibrium.

Under Type B at pH 6.5, 15% of Fell was bound anoxically and after
admission of D.O. and equilibration the amount of bound Fell remains similar
but total bound Fe increased to 50%. In this study it could be shown, rather
than just suggested as by Gaffney (Gaffney et al., 2008), that this increase
consists of Felll that becomes bound before it can hydrolyse. If NOM is
assumed to be saturated with Fell during the anoxic period then the
subsequently available Felll must occupy different NOM or different site on

the NOM to that occupied by Fell.
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The outcome of Type A mixing differs to Type B in that slightly more (62%) Fe
becomes bound at oxic equilibrium and, whilst as under Type B this consists
of both Fell and Felll, the 30% of Fell bound was higher than the 15% under
Type B. The latter difference is, however, inconsistent as bound Fell
concentration was assumed to reach its maximum capacity during the 5 hours
anoxic equilibration period of Type B. The inconsistency is likely to arise from
the errors on these 2 measurements of bound Fell and, therefore, there are
no clear differences in Fe speciation at oxic equilibrium between Type A and
Type B. Differences may become clearer, however, as the amount of anoxic

binding of Fell increases, as this was only 15% at pH 6.5.
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Figure 26 Fe speciation over time under 25 degrees, pH 6.5 and full daylight
conditions. PSD of Fe and NOM at the end point are shown beside. (A)
Anoxic control and (B) Oxic control; (C) Type B and full Fe speciation at the
end point are shown beside; (D) Type A and full Fe speciation at the end point

are shown beside.
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Effects of increased pH. As noted above, at pH 7.5 80% rather than 20% of
Fell is bound anoxically as a consequence of the lower [H+] and reduced
competition for binding sites. Subsequently, under Type B mixing (Figure 27),
the amount of bound Fe after admission of D.O. remains around 70% rather
than increasing as seen at pH 6.5. This difference in speciation between pH
6.5 and 7.5 is probably because the NOM was nearly completely saturated
with Fell during the anoxic period. Under Type A only 7% of Fe is bound by
NOM at oxic equilibrium because at pH 7.5 in the presence of D.O., hydrolysis

of Fe to Felll(hydr)oxide competes more effectively against its binding to NOM.

Although at pH 7.5, the bound Fe was not resolved into bound Fell and Felll,
it is clear that the divergence in Fe speciation at oxic equilibrium in natural
waters caused by difference in mixing order (of Fell, NOM and D.O.) will be
greater in more alkaline waters. Anoxic binding of Fe to NOM can be a strong
control on the subsequent fate of Fe in the oxic environment. The strength of
the control increases with the amount of anoxic binding and the rate of oxic
Felll hydrolysis, both of which are positively related to pH (Catrouillet et al.,

2014; Daugherty et al., 2017).

127



100% + o« o+ 1 1 4 - =T
A B
50% -
O}'ﬁ 1 ———y 1
0 5 Fe 00.17 6.5 Fe
100% 7 - ~ ~ = - — _
C
50% -
0% 4 .
0 0.33 6.5 Fe NOM
Time (h)
100% + ]
D
50% -
O Free Fe(ll) %
M Bound Fe %
. 0% .
M Felll(hydr)oxide % 0017 6.5 fe NOM
Time (h) MRetentate  OFiltrate

Figure 27 Fe speciation over time under 25 degrees, pH 7.5 and full daylight
conditions. PSD of Fe and NOM at the end point are shown beside. (A)

Anoxic control and (B) Oxic control; (C) Type B and (D) Type A simulation.

Effects of temperature. At 10°C the system without NOM, takes 6 times as
long to come to equilibrium after the admission of D.O. than at 25°C; the
processes of both Fell oxidation to Felll and its subsequent hydrolysis to

Felll(hydr)oxide have been slowed (Figure 28). It is apparent that slowing of
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these processes has changed the speciation at equilibrium; only 45% of Fell
hydrolyses to Felll(hydr)oxide, compared to the >95% at 25°C. This must be
because at 10°C Fell binds to the Felll(hydr)oxide that is the product of its
oxidation. That there is this difference between 25 and 10°C may be because

the slowing of Fell binding is relatively less than that of Felll hydrolysis.

Systems containing NOM also take 6 times as long to come to equilibrium
after the admission of D.O., at 10°C compared to 25°C. At 10°C,
Felll(hydr)oxide, the proportion of which increases during oxidation, adds to

the constant amount of NOM as a second sorbent of Fe.

However, the amount of bound Fe remains similar at 10°C whether or not
NOM is present. Whilst the speciation techniques used do not allow the bound
Fe to be resolved into Fe bound to Felll(hydr)oxide or to NOM, the size
distribution of the Fe at 10°C differs in the presence of NOM. Without NOM
there is effectively no <10 KD Fe but 8-15% in its presence, this suggests that

some Fe binds to NOM rather than just to Felll(hydr)oxide.

The results of oxidation under Type A and B should be similar as there is very
little anoxic Fell binding in the cold. Both mixing orders result in similar
speciation including bound Fell, bound Fell and Felll(hydr)oxide. There is

more Felll(hydr)oxide production under Type B but in this case TFU was
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carried out after 20 hours rather than the 7 hours for Type A and this may

have allowed further coagulation to occur.

100% T L . €T | ] [ I R o B A B B
A B
50% A
0% .
0 4 Fe 0 6.5 Fe
100% T T J_ T | [ R R T
C
50% -
0 -+
0 2 4 0 45 65 20 Fe NOM

Time (h)
100% 7 pjeppp==n]~1==pr==

50% A
Ofreefe(ll) % BBound Fe %

OBound Fe(ll) %  @Bound Fe{lll) %

[

Fe NOM
Time (h) M Retentate O Filtrate

WFelll(hydrjoxide %

Figure 28 Fe speciation over time under 10 degrees, pH 6.5 and full daylight
conditions. PSD of Fe and NOM at the end point are shown beside. (A)
Anoxic control and (B) Oxic control; (C) Type B and full Fe speciation at the
end point are shown beside; (D) Type A and full Fe speciation at the end point

are shown beside.
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Effects of darkness. In darkness and in the absence of NOM it is apparent
that Fell oxidation to Felll has been slowed as only 45% of Fell ultimately
hydrolyses to Felll(hydr)oxide, compared to the >95% in daylight (Figure 29).
The slow oxidation is likely to result from the limitation on photochemical
superoxide production and subsequent H202 production. Because oxidation is
slow Fell has time to bind to the Felll(hydr)oxide that is the product of its
oxidation. The net result at equilibrium is similar to that under cold conditions
only 45% of Fe is present as Felll(hydr)oxides and the remaining 55% of Fe is

bound to this.

The experiment conducted in dark conditions (Figure 29) is the most realistic
simulation of the period of anoxic Fe/NOM interaction as anoxic conditions are
likely to coincide with darkness in natural waters. The 40% of Fell bound to
NOM is higher than that at 10 or 25°C, (5 or 15%) when anoxia was
coincident with daylight. The higher amount of anoxic Fe binding to NOM in
darkness suggests that the impact on Fe mobility, in the subsurface will be
greater than suggested by the experiment under daylight. It is not clear why
daylight would limit anoxic Fell binding to NOM. Light is widely recognised to
degenerate NOM but the rate of bulk decomposition is too slow to have an
impact over the 6 hour anoxic periods (Drozdova et al., 2020). The possibility
remains that some functional groups are preferentially destroyed by light and

these are the particular groups involved in Fe binding. This latter point is
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supported by the experiments above in which the proportion of bulk NOM

involved in Fe binding was <20%.

Fe speciation that developed on subsequent admission of D.O. cannot be
directly compared between dark and daylight as prior to admission of D.O.
there was only 10% anoxically bound Fe in daylight but 40% in the dark.
However, it is apparent that darkness enhanced Fe binding to NOM; its
proportion increased from 40 to 96% compared to 45% bound and 45%
Felll(hydr)oxide at oxic equilibrium under daylight (Figure 29 C and Figure 26
C). Also, the bound Fe has a higher proportion of Fell rather than Felll in
darkness than in daylight. These differences may be a consequence of the
role of photolysis of NOM in producing compounds that enhance Fell
oxidation and/or light induced reduction of FelllNOM complexes (Garg et al.,

2013; Garg et al., 2015; Waite and Morel, 1984).

As seen in the simulations under daylight there is little or no impact of mixing
order on the ultimate oxic speciation of Fe in darkness. Despite the much
greater amount of anoxically bound Fe in darkness (40%) Type A and Type B

mixing result in speciation that becomes similar within around 1 hour.
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Figure 29 Fe speciation over time under 25 degrees, pH 6.5 and dark

conditions. PSD of Fe and NOM at the end point are shown beside. (A)

Anoxic control and (B) Oxic control; (C) Type B and full Fe speciation at the

end point are shown beside; (D) Type A and full Fe speciation at the end point

are shown besides.

4.4 Conclusions

Environmental implications. Whilst the NOM used was inevitably site-

specific the hydrological context of sampling and subsequent pre-treatment
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gives some generic applicability to the findings, similarly the range of pH
covers a large proportion of natural waters. The work has direct implications
for mobility of Fe and its utility in microbial metabolism, and indirect
implications for mobility of pollutants and nutrients through influencing specific

surface area of Felll(hydr)oxides.

The work shows Fell mobility cannot be assumed to be that of a free aqueous
ion as a proportion will become particulate by association with NOM. This
particulate Fe will be less mobile in the subsurface and the proportion is a
function of NOM concentration and pH (Theis and Singer, 1974; von der
Heyden et al., 2014; Chen and Thompson, 2018). This reduction in mobility is
strongly dependent on pH, the shift from <10 KD to >10 KD doubling from pH
6.5 to 7.5. Across the range of variables when systems containing NOM are
oxidised 8-26% of Fe remains <10 KD. Therefore <10 KD Fe must be
produced and present under oxic conditions in a wide range of environmental
scenarios. This may be as Fell or Felll bound to NOM or Felll(hydr)oxide, with
their relative importance determined by the particular scenario. The
persistence across a range of conditions of Fell or Felll in oxic waters suggest
there is a ubiquitous but not widely recognised store of potential energy that

can be harnessed by microbes.

The anoxic — subsurface — interaction of Fell with NOM, which was from 5 to
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as much as 40% the range of environmental variables deployed, was
expected to have a persistent effect on subsequent Fell oxidation. However,
there was no clear difference between Fe speciation at oxic equilibrium with
and without prior anoxic Fe/NOM mixing, and any differences whilst
equilibrium was reached were maintained for <1 hour which is likely to only be
of limited importance relative to hydrological residence or transit times. There
is a possibility that mixing order could change oxic speciation if anoxic binding

was greater than 40% and this binding proportion was observed at pH 7.5.

Temperature changes from 10 - 25°C cause large changes in speciation of Fe.
At 25°C NOM provides the only binding sites for Fe and therefore the main
control of the preservation of Fe in oxic waters, but at 10°C Fell can be
preserved even in the absence of NOM, by binding to the product of its own
oxidation, Fe(lll)hydroxide. If NOM is present Fe will bind to both it and
Felll(hydr)oxide but Fe bound to the former has the potential to be a finer

colloid (<10 KD).

Darkness causes a similar slowing of Fe oxidation as cold; with the same
result in the absence of NOM that Fell has time to bind to the Felll(hydr)oxide
that is the product of its oxidation. Darkness also enhances the binding of Fe
to NOM. In the simulated subsurface anoxic binding in darkness reached 40%

of Fe at pH 6.5 and will increase with pH. Above ground, darkness allows
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more Fe binding and particularly Fell binding as in daylight the balance of
photochemical processes lie on the side of photolysis of NOM into
compounds that enhance oxidation and light induced reduction of Felll/NOM

complexes (Garg et al., 2013; Garg et al., 2015; Waite and Morel, 1984).

The range of experimental conditions also allow the impacts of NOM on
solubility (10 KD cutoff) of Fe to be broadly described. In the absence of NOM
all Fe on oxidation becomes >10 KD, both at 25°C, when all the Fe is
Felll(hydr)oxide, and at 10°C, when 46% is Felll(hydr)oxide and the
remainder is bound Fe. The presence of NOM prevents 20-26% Fe

becoming >10 KD at 25°C and 8-16% at 10°C.
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Chapter 5. Controls on the mobility of As in natural waters: The role of
NOM, Fe and changing hydrological conditions

5.1 Introduction

As one of the most toxic elements, Arsenic (As) exists naturally in the
environment (atmosphere, rocks, sediments, soils, natural water and
organisms) (Ratnaike, 2003). Various factors such as the type and amounts of
sorbents, pH, redox potential (Eh) and microbial activities will impact on the
forms of As. Large number of studies have proved that the mobility and
toxicity of As depend on its specific chemical forms and oxidation states in the
environment (Smedley and Kinniburgh, 2002; Wang and Mulligan, 2006;
Wang and Mulligan, 2009). As can occur in the environment in inorganic and
organic forms (As acid, arsenous acid, arsenites, arsenates and so on), but it
mainly exists in natural water in inorganic form such as oxyanions of trivalent
arsenite [As(lll)] or pentavalent arsenate [As(V)]. [As(lIl)] is most common
under anoxic conditions and [As(V)] is most prevalent in oxic conditions.
[As(ll)] is mentioned to has higher toxicity, solubility and mobility by
comparing with [As(V)]. The organic forms of As are not quantitatively
important and they are likely to be generated by biological activities, are
mostly found in surface water. Normally, the capacity of toxic and mobile in
inorganic As is greater than organic As (Smedley and Kinniburgh, 2002;
Wang and Mulligan, 2006; Wang and Mulligan, 2009). In addition to trivalent

(+11) and pentavalent (+V), As also has two oxidation states (-1ll, 0), of which
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As metals rarely occurs and (-lll) oxidation state is only found in extremely

reduced environments (Hughes, 2002; Wang and Mulligan, 2006).

Figure 30 shows the occurrence and mobilisation path of As in environment. A
combination of natural processes including weathering reactions, biological
activities and volcanic emissions as well as a series of anthropogenic
activities such as mining activity, combustion of fossil fuels, the use of
arsenical pesticides and so on result in the enrichment of As in soils,
sediments or rocks, which may generate As sources. Once in environment,
both naturally occurring and anthropogenically sourced As are affected by the
same biogeochemical processes, causing the mobilisation of As that will
change As flux. It means more As entering into nearest natural water or
agricultural fields from soils, rocks (mines) or sediments in the forms of
arsenate ion [As(V)] and arsenite ion [As(lll)]. Therefore, more As can enter to
atmosphere through evaporation, attributed to elevated As fluxes in water.
Humans are exposed to As by a number of ways such as water, soil and air,
and therefore As poses the greatest risk to human health (Gonzalez et al.,
2006; Wang and Mulligan, 2006). Meanwhile, most environmental As
problems are caused by mobilisation of As under natural processes, which
also involves water sources that are closely related to drinking water. These
water sources come from water collection spots and are sources of during

water. Among various sources of As, drinking water is the main cause of
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human As toxicity (Ratnaike, 2003; Smedley and Kinniburgh, 2002; Verma et
al., 2014). With the increasing awareness of As toxicity and improvement of
As guantitative technology, the maximum concentration limit of As in drinking
water is set at 10 pg/L (it was 50 ug/L before 2004) by Worth Health
Organisation and once the content of As exceeds the limit, the public health
will be impacted seriously, leading to an increase in human disease and
mortality (WHO, 2011). Elevated concentrations of As will pose hazards to
human health and environment on a global scale and therefore there is a
requirement to understand the distribution and cycling of As in the natural

environment due to its toxicity.
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Figure 30 The occurrence and mobilisation path of As during As cycle in

environment (Wang and Mulligan, 2006).
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Ombrotrophic peat bogs are characteristic of many upland areas in UK and it
play a major role in the storage, transformation and mobilisation of As
(Langner and Kretzschmar, 2012). The atmosphere is its only source of
pollutants input such as As. Large amounts of As are released to atmosphere
via long-term and large-scale anthropogenic activities involving fossil fuel
combustion, mining and smelting activities, and industrial applications.
Therefore, many upland sites of UK have been polluted by atmospheric
deposition of As in the past few hundred years. For example, Coal from West
Lancashire coalfields is known to have high As content. Substantial coal
burning resulted in significant deposition of As across the high ground around
towns and cities of northwest England. These organic-rich uplands have been
identified as storage sites for past atmospheric deposition of As. The As
concentrations in the near-surface layer of upland peat soils often exceed
background concentrations because of the long-range transport of metalloids
in the atmosphere. Some recent studies have found that upland peat
catchments dominated by organic-rich peat soils and peat bogs not only in the
storage, but also play a major role in transformation and mobilisation of As. In
peat soils, the humidity affected by seasonality of rainfall and temperature, as
well as related changes in redox conditions can influence As mobility,
resulting to its transfer from soils to peatland streams or pore waters.
Therefore, increasing work demonstrates that the As found in the uplands of

northern England is associated with historical industrial activities, and its
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environmental fate is affected by the metallic minerals (particularly Fe), NOM
(including both aqueous and solid phases) and related environmental
conditions (Q) (Rothwell et al., 2007; Rothwell et al., 2009; Rothwell et al.,

2010; Rothwell et al., 2011).

In addition, these uplands are also water collection areas and known to be
undergoing changes due to land management practices and further changes
as climate warms (described in Chapter 3). Therefore, there has been
concern about the mobilisation and transport of previously deposited As from
peat soils to receiving surface waters or subsurface waters and the possible
damage of these As pollutants on the aquatic ecosystem, which will affect the
quality of drinking water. The mobility of As will be affected by discharge rate
(Q) in stream water. As the inherent ‘flow through’ systems, stream water
relies on Q to mobilise substances stored in the system and the interaction
between substances depends on the time available affected by Q within the
system. The dependence of mobilisation of different substances stored in the
system on the time available may also impact the resulting associations,
leading to a hysteresis effect. Furthermore, Q will vary due to seasonal
variations, resulting in differences in dilution effect of stream water. Overall,
discharge of a system will impact on the movement of water through the
ground and it is a complex process that should be of concern (Morel et al.,

2009; Semdley and Kinniburgh, 2001; Worrall et al., 2002). However, there is
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a lack of data on As concentration in streams draining heavily polluted
peatland environments, even though As leaching from atmospherically
contaminated peatland catchments has been highlighted as a potential
environmental hazard. For the potential contribution of peatlands to the As
mobilisation and consequences on water quality through runoff, there is a
requirement to understand how As is transported within organic-rich stream

environments.

The Southern Pennies (UK) Peak District National Park with high level of
NOM content provides a suitable place to monitor and compare As flux under
different environmental conditions, because it has upland peat catchments
and is known to have the potential to accumulate high concentrations of As
due to anthropogenic activities. This is also the essential requirement for site
selection and project development. The stream water in upland peat
catchments have significant heterogeneity in hydrochemical characteristics,
resulting in difficult of representative sampling (Rothwell et al., 2007), because
different time periods or different hydrological conditions will affect the NOM,
Fe and As contents in stream water. As a water collection area, Peak District
National Park allows long-term sampling and associated hydrological
conditions measurement to obtain high quality data sets, which is a solution to
solve the problem. The long-term sampling programme was described in

subsection “Sample collection” of Chapter 2. This is the important
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prerequisite for making representative measurement of flux by interpolation
and rating relationship (described in subsection “Continuous [NOM] and [As]
measurments”). Furthermore, it has two contrasting sub-catchments of
eroded peat (site 50) and uneroded peat (site 30) to help with the problem of
predicting the future. These two sub-catchments have different availability of
Fe and NOM and Fe may be more available in site 30. Meanwhile, it can
simulate the catchment with higher erosion that is expected under a warming
climate as upland peat begins to dry. Peatlands in UK are constantly facing
natural erosion from environment such as wind, gravity, rainfall and flowing
water as well as pressures from anthropogenic activities such as atmospheric
pollution, agricultural activities, solid waste pollution and climate change.
Therefore, erosion is the likely future situation of upland peat so eroded site
(site 50) can be potentially use as a model of future conditions and used to
prediction of future As mobilisation. Site 30 can be regarded as an uneroded
site, because the revegetation of plant species such as sphagnum moss has
been done there, which has restored the natural runoff system and promoted
the renewal of peat deposits. Meanwhile, successful environmental
improvement strategies (such as using physical barriers to block drainage)
have effectively reduced the impact of erosion, water level drops and other
adverse conditions. Overall, in order to complete the main aim of this project,
it is necessary to monitor the changes in As flux in Southern Pennies (UK)

Peak District National Park for further predict and manage As mobilisation.
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Although a lot of research has been done on the sources of As, the
mobilisation of As is still receiving less attention. The mobilisation of As is
known to associate with NOM and/or Fe in aqueous environment. NOM is
ubiquitous in the environment and is highly reactive to inorganic and organic
pollutants, thus it can play an important role in affecting the speciation,
solubility, mobility and bioavailability of contaminants. Previous studies have
shown that the underground NOM is the main energy source for the As
mobilisation during subsurface water flow process, has the ability to influence
the sorption behaviour of As by interacting with the mineral surfaces and/or As
itself. Therefore, NOM can play an essential role in releasee of As from soils
or sediments to groundwater (Abdelrady et al., 2020; Shama et al., 2011;
Wang and Mulligan, 2009). In addition, NOM (mainly dissolved organic matter)
can change chemical form of As by changing the redox conditions as well as
the complexation reactions with As in agueous environment, which greatly
influence the mobility of As. There is already evidence that the NOM-As
colloids/complexes generated by complexation reactions accelerates the
mobilisation of As (Chen et al., 2017; Shama et al., 2011; Wang and Mulligan,
2009) These binary and ternary NOM-As colloids/complexes also affect the
mobilisation of As by competing with As for sorption sites on mineral surfaces

(Aftabtalab et al., 2021).
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The processes of precipitation, dissolution, adsorption on and desorption from
the surfaces of metal oxides (particularly Fe) are able to strongly control the
mobility of As in soil and sediments (Rothwell et al., 2009). The
adsorption/coprecipitation on the surface of Fe(oxy)(hydr)oxide significantly
affects the enrichment of As and controls the concentration of As in the
environment, so the existence of As is closely related to Fe in sediments or
aerated soils. As mobility will decrease because of the sorption and
coprecipitation of arsenate by Fe(oxy)(hydr)oxides under neutral pH and
oxidising conditions, but it will rise by dissolution of Fe(oxy)(hydr)oxides under
low pH and reduced redox potential. However, As concentration is controlled
under strongly reducing conditions through the formation of sulfide minerals
(Aftabtalab et al., 2021; Bauer and Blodau, 2006; Chen et al., 2017). In
addition to the direct interaction with As through various ways described
above, NOM in water will also interact with As indirectly by the interaction with
mineral oxides. For example, by coupling to reduction of As-bearing Fe oxides,
oxidaton of NOM can cause As (arsenate) absorbed on
Fe(ll)(oxy)(hydr)oxide mineral coating sediment particles to dissolute and
subsequent release under reducing conditions, so it is likely to affect the
adsorption of As on the surface of Fe(oxy)(hydr)oxide. The reduced Fe(ll) are
therefore mobilised along with associated As (arsenite). Due to the redox
reaction and reductive dissolution of As from As-containing minerals, the flux

(and concentration) of As have changed consequently (Aftabtalab et al., 2021,
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Hery et al., 2008; Solaiman et al., 2009). Moreover, organic mineral
coprecipitates and adsorption complexes are formed because NOM can often
coexist with  Fe(lll)(oxy)(hydr)oxides in natural environment. The
coprecipitation and adsorption of NOM will lead to the changes in the physical
and chemical properties of Fe(lll)(oxy)(hydr)oxides and eventually affect the
microbial-mediated Fe/As mobilisation by impacting on the structure of
mineral and slowing down microbial Fe reduction (Cai et al., 2020). Although
the importance of NOM to As mobilisation is well know, there are still few
studies on the interaction of NOM with As and Fe or Fe(oxy)(hydr)oxides in
groundwater, surface water and soil. Much research focuses on the
mechanism and types of NOM, or other factors affecting As mobilisation. The
specific controls on As mobilisation via NOM or Fe are still not understand in
details, and there are limit data on the reliable quantitative As mobilisation
with environmentally relevant sources and how As mobilisation affected by
NOM or Fe. Therefore, there is a requirement to understand how Fe, NOM
and As interact by monitoring Fe and NOM in order to find an effective
method to predict and manage As mobility, especially in the agueous
environments (Morel et al., 2009; Semdley and Kinniburgh, 2001; Worrall et

al., 2002).

In addition to the influence of Fe and NOM, size of As is critical to predicting

its behaviour. Many studies believe that whether As is particulate or dissolved
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has different mobility, and therefore rely on the 0.45 ym or 0.2 ym cut-offs to
distinguish this but much of the As may be present as <0.2 ym >10 KD
colloidal particles or <10 KD truly dissolved forms. Therefore, soluble and
particulate As, Fe and NOM must be resolved at the nanometre level

(<10>3KD) (Cai et al., 2002; Sarmiento et al., 2012; Wen et al., 1999).

The main aim of this project is to predict how As flux in an important UK water
collection area may change with climatic change and to gain a better
understanding of factors that control the mobility of As in general. The

following objectives were set out to achieve the aim:

® Collect samples at different intervals from upland peat catchment of
Southern Pennines (UK) Peak District during baseflow and stormflow

conditions (discharge events).

® Determine continuous [As] and Q by using interpolation and calculate As

flux for each site.

® Compare the variability in As flux between sites and periods and
determine the reliability of flux by comparing with another method of

calculating flux.
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® Determine how As change with Q, NOM and Fe and identify the main

factors of controlling As mobilisation.

® Separate the collected samples by TFU and assess how As differ

between size fractions under different NOM and Fe.

5.2 Materials and methods

Sampling and sample analysis. Sampling including both spot sampling and
use of automatic sampling systems (Sigma SD900) was carried out
throughout the study period at study sites (site 50, grid reference SE 05650
00943 and site 30, grid reference SE 06172 02965). The mechanisms of
sampling were described in detail in the subsection “Sample collection” of
Chapter 2. A combination of daily sampling and hourly sampling during
baseflow and stormflow conditions (discharge events) from auto sampler was
conducted in stream water at all study sites. From 2017 to 2019, more than
100 samples were collected at each site and this includes sampling of two

discharge events during April 2017 and April 2019.

All samples were analysed according to the analysis procedure outlined in the

subsection “Sample analysis” of Chapter 2. Continuous measurement of As is

described in the following subsection.
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Continuous [As] Measurement and calculation of As flux. [As] of each
stream samples collected from study area were measured by ICP-MS. In
order to monitor the As flux for long period during the entire project, a high
frequency measurement of [As] is required. Due to the reasons outlined in the
subsection “Continuous [NOM] and [As] measurement” of Chapter 2, it is
difficult to perform continuous measurement of [As] through high frequency
sampling. In order to solve this problem, two methods of concentration
estimate were conducted in this project. Each method requires calculation of
continuous Q by the pattern described in the subsection “Stage-discharge

relationship” of Chapter 2.

The first is to use simple interpolation to estimate [As] between sampling
points. [As] of each daily sample was assumed to represent [As] of a whole
day (24hrs) in river. These interpolated [As] were combined with continuous Q
to calculate instantaneous As flux per 15 minutes by multiplying with the
corresponding Q. All the results of instantaneous As flux during sampling
period were added up and then multiplied by the inter-sample period to
determine a total mass. Next, the total mass was divided successively by the
specific number of days within sampling period and site area to calculate the
average daily As flux. The estimated value of As flux for a whole year or more
time was then obtained by multiplying the average daily As flux during the

sampling period by the specific number of days in a year or more years.
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However, the accuracy and reliability of the results from interpolation are
difficult to determine, because it depends on the amount of sampling
measurements and the time intervals of Q. Therefore, it needs to be verified
by comparing with another method. The second method is to try to model flux

by rating relationship ([As] vs Q).

In order to estimate As flux yearly by using a rating relationship curve, the
results including [As] of all samples and corresponding Q at the same time
were used in linear regression models. The calculation of continuous [As] is
based on the continuous Q measurements at 15-minute intervals, which are
then used to estimate the As flux. The reliability of results needs to be verified
according to compare NOM flux during sampling period or longer period from
both of methods and the reason is the same as that in estimation of NOM flux,
which is described in the subsection “Continuous [NOM] and [As]

measurement” of Chapter 2.

5.3 Results and Discussion

As concentrations of stream waters. Samples were collected in different
months of project period, which can ensure the representativeness of flux
calculations and reduction of impact from temporal variations (Figure 31).
Table 6 summarises the means and ranges for Q and concentrations of

dissolved As, Fe and NOM at each study site during project period. The mean
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and maximum concentrations of As in Peak District stream water at site 30
are 0.94 ug/L and 4.82 pg/L respectively (the two values at site 50 are 0.44
Mo/l and 1.94 ug/L) over the monitoring period. The maximum concentration
limit of As in drinking water is set to 10 ug/L by WHO (WHO, 2011). Therefore,
the As concentration in Peak District stream waters did not exceed the

guideline value.

However, there may be a potential environmental hazard at site 30. Its As
concentration was significantly higher than site 50 (0.94 pg/L vs 0.44 ug/L)
and the maximum value is closer to 10 (4.82 pg/L vs 1.99 ug/L). More
importantly, there is a large variation in its range (0 — 4.82 ug/L). This
indicates that As concentration at site 30 is unstable. Previous research
results also proved this point. Rothwell et al., determined the As concentration
in this area around 2010 and the range was 0.2 ug/L — 7.28 ug/L. Hegan also
monitored the As concentration at the same site (site 30) in 2012 and the
range was 0 — 15.9 ug/L. This result indicates that stream water in the Peak
District National Park was contaminated with dissolved As at that time.
Although the situation has improved, further work to determine the factors that
impact on the As content is necessary for better predict and manage the As
mobility in stream water. This is benefit for avoiding potential risk to public

health.
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According to Table 6, the mean Fe concentration site 30 is also higher than
site 50 (0.98 mg/L vs 0.2 mg/L) as the same as the situation of As and it was
as high as 5.98 mg/L for a time. This may be related to the local geology of
the site. The peat in site 30 is covered by a marine shale belt containing a
relatively high level of Fe (Hegan, 2012). Unlike Fe and As, the NOM
concentrations are similar within both study sites (the rate of change was only
20%, while As and Fe were 53% and 80% respectively). In addition, the
impact of Q cannot be ignored when comparing the difference in
concentrations between the two sites. The previously deposited As and Fe
can be leached from blanket peats into the stream system under both
baseflow (low Q) and stormflow (high Q) conditions. During sampling period,
the Q of site 30 is much higher than site 50 (67.8 I/s vs 13.35 I/s) and its
variation is larger, reaching a maximum of 747.62 l/s (149.8 I/s for site 50).
The main reason is probably due to larger area or deeper depth of the river
channel at site 30. NOM can effectively mobilise and transport As under high
Q conditions. Furthermore, geological factors such as the existence of gullies
and lack of vegetations are also not conducive to the accumulation of As in
pore water or peat under stormflow conditions (Hegan, 2012; Rothwell et al.,

2007).
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Table 6 Summary of As, Fe, NOM concentrations and discharge over study

sites.
Study sites Research elements Aqueous concentration
Mean Range
Site 30 As (ug/L) 0.94 0-— 4.82*
(Uneroded Fe (mg/L) 0.98 0 —5.98*
catchment) NOM (mg/L) 11.34 6.24 - 26.09
NO. of sample Q (I/s) 67.8 5.69 — 747.62
points: 122
Site 50 As (ug/L) 0.44 0-1.99
(Eroded Fe (mg/L) 0.2 0-0.72
catchment) NOM (mg/L) 9.33 0.5-31.88
No. of sample Q (I/s) 13.35 1.24 -149.8
points: 128

*There is only one sample with Fe concentration of 18 mg/L and As

concentration of 10 pg/L. The rest of them are within the range.
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Quantification of As flux by using interpolation. Estimation of As flux for
each site are shown in Table 7. Fluvial fluxes for site 30 and site 50 were
calculated by interpolation were 0.84 kglyear/km? and 0.45 kg/year/km?
respectively. Multiple factors can contribute to the higher As flux at site 30.
The altitude of site 30 (around 470 m) is higher than site 50 (around 320 m),
so it is closer to the atmosphere and distance from the As emission source
appears as a driver of As fluxes (Leclerc et al., 2021). The larger area also
provides a place with stronger As storage capacity (Table 7). In addition, Q
will also have a great impact on the flux and it may determine whether the site
acts as a source or a channel of As transportation. Flux usually increases as
Q rises and therefore higher Q improve the mobility of As (Figure 32) (Hegan,

2012; Leclerc et al., 2021; Rothwell et al., 2011).

Rothwell et al., and Hegan have determined the As flux in this study area in
2011 (6.5 kglyear/km? for neighbouring catchment) and 2012 (0.3 kg/year/km?
for site 30 and 0.35 kg/year/km? for site 50) respectively, but the results were
different. The fluxes measured this time are low in comparison to Rothwell,
but higher than those of Hegan. The flux estimated by interpolation is
extremely dependent on the Q values and sample concentrations that are
easily affected by climate or various hydrological conditions during sampling
period. Therefore, variations in flux are inherent due to different and limited

samples, even for each sampling period (Figure 32) (Walling and Webb,
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1985). Although more than 80 sample results are used for interpolation and
the frequency of these samples is as high as dalily, it will ignore the large
changes in conditions that occur during non-sampling period (Figure 31). Due
to the limitations of interpolation by using the low temporal resolution dataset,

As flux was evaluated through modelling of rating relationship ([As] vs Q).

Table 7 Estimation of As flux by interpolation for each site.

Study sites Research elements Aqueous flux estimated

by interpolation

Site 30 Area (km?) 3
(Uneroded catchment) As (kglyear/km?) 0.84
Site 50 Area (km?) 0.5
(Eroded catchment) As (kglyear/km?) 0.45
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Figure 32 Estimation of As flux by interpolation for each daily sampling period.
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Comparison of fluxes by interpolation and rating relationships. In view of
the limitation in interpolation, another flux estimation method was used for
each site in order to verify the reliability of the results. From Table 8, it can be
seen that the As fluxes estimated by rating relationship between [As] and
continuous Q for both sites were higher than those estimated by interpolation
(1.1 kglyear/km?vs 0.84 kglyear/km? for site 30 and 0.88 kg/year/km?vs 0.45
kglyear/km? for site 50). It can still be reflected that As moves significantly as
Q increases, because the mean Q at site 30 obtained through continuous
measurement of Q during entire project is much greater than that at site 50
(88.47 I/s vs 17.87 I/s). Although the reliability of rating relationship curve
requires further analysis, the higher values at least shows that the continuous
dataset including [As] and Q increase the flux calculation. Continuous (or high
temporal resolution) sampling and monitoring are necessary for avoiding
overestimation or underestimation of flux. The increasing concentration

measurements can significantly improve the reliability of results.
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Table 8 Comparison of As Flux (kg/year/km?) between interpolation and rating

relationship for each study site.

Study sites As flux estimated by As flux estimated by
interpolation rating relationship
Site 30 0.84 11
(Uneroded catchment)
Site 50 0.45 0.88

(Eroded catchment)

Relationship between [As] and Q, [Fe] or [NOM]. In order to predict and
manage of As mobilisation, it is paramount to determine the association
between As and different elements in the stream. Various types of factors
including hydrological (e.g. dilution and flow path), chemical (e.g. sorption and
complexation) and physical (e.g. coprecipitation) will influence on the
mobilisation of As by changing concentration and then flux (Rothwell et al.,
2011). Different roles from Q, [Fe] and [NOM] on As and the correlation
coefficient were shown in Figure 33, Figure 35 and Figure 36 respectively.
There is almost no correlation between As and Q at site 30 (R? 0.0087).
Regardless of the significant differences in Q, many similar As concentrations
were still generated and meanwhile different As concentrations were also
shown under similar Q characteristics. Those situations also occurred at site
50, but with less frequency. Therefore, although greater than that of site 30

(R?2 0.28 vs R? 0.0087), the correlation between As and Q at site 50 was still
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not high (but significant due to P < 0.05) (Figure 33). Erosion at site 50 affects
mobilisation of As through changing the soil porosity and land-surface
characteristics (e.g. leading to lack of vegetation), making the As more likely
to be affected by Q. For example, discharge event with high Q will introduce
As into stream from peat (Hegan, 2012; Zhang et al., 2020). Overall, the
relationship between [As] and Q from the two sites indicate that the main
factor affecting the concentration of As in stream may not be dilution effect

and changes in the flow path that are influenced by vary Q.

Figure 34 with Log (concentration) v Log (Q) is drawn to test whether the
dilution is the dominate factor. However, correlation between Log([As]) and
Log (Q) in Figure 34 did not improve and it became even worse at site 50 (R?
0.011 for site 30, R? 0.22 for site 50). Therefore, dilution is not dominant and it
is necessary to determine the impact of other factors on controlling the
seasonal supply, storage and transport of As in stream water (Jansson, 1996;

Rothwell et al., 2011).
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Figure 33 Relationship between [As] and Q for A) site 30 and B) site 50.
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Figure 34 Relationship between Log ([As]) and Log (Q) for A) site 30 and B)

site 50.

According to Figure 35, [As] was strongly correlated with [Fe] at site 30 (R?
0.68), while the relationship between As concentration and Fe concentration
is weaker (but still significant) at site 50 (R? 0.23). Geological differences
between site 30 and site 50 is the primary reason for different correlation. The
marine shale band underlying the peat at site 30 produces more source of Fe
and the consequent higher agueous concentrations. This means an increase
in Fe(lll) oxide deposits formed through the oxidation of Fe(ll), and as the As
carriers and specific elements associated preferentially with As, more amount
of the Fe(lll) oxides can promote the interaction with As, resulting in a
stronger correlation. Fe(lll) oxides are able to concentrate As by sorption from
the surrounding sediment or water, resulting in higher As content (Meharg et
al., 2006; Mueller and Hug, 2018). In addition, the accumulated As bound with

Fe phases will also release by the reductive dissolution of Fe(lll) oxides to
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stream. The cycle of this whole process promotes the positive relationship

between [As] and [Fe] (Kim et al., 2018; Schreiber et al., 2003).

In addition to being associated with Fe, As also has a strong correlation with
NOM. Stronger and significant positive correlation between As concentration
and NOM concentration with both the site 30 (R2 0.31, P < 0.05) and site 50
(R%2 0.6, P < 0.05) were shown from Figure 36. Many studies have proved that
NOM plays a great role in the aquatic environment and can strongly affect the
distribution and mobility of As by redox reactions, competitive adsorption,
desorption, complexation reactions and co-deposition. For example, the
sorption behaviour of mineral surface (Fe(lll) oxides) on As will be changed by
the dissolved organic matter (DOM), resulting in the mobilisation of As in the
sediment. The NOM-As complexes generated by the complexation reactions
and co-deposition of NOM and As can also drive As to be released from
sediments. The existence of NOM-As complexes indicates that NOM can be a
source of As, because As mobilisation may be improved through an
adsorption/desorption mechanism between NOM and humic substances in
reducing conditions. In addition, due to the strong adsorption affinities within
NOM and Fe oxides, NOM can often coexist with Fe(lll) oxides, which can not
only be the adsorption phase for As, but also compete with As for adsorption
sites on the oxides surface, leading to the release of As from minerals

(Anawar et al., 2013; Bauer et al., 2008; Harvey et al., 2002; Kim et al., 2018;
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Meharg et al., 2006). Overall, it is precisely because NOM can significantly

affect As from various ways in stream, therefore the occurrence of

correlations for NOM and As is expected. One of the samples at site 30 had

high concentration of As and Fe resulting in an outlier (Figure 33 A and 35 A).
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Figure 35 Relationship between [As] and [Fe] for A) site 30 and B) site 50.
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Figure 36 Relationship between [As] and [NOM] for A) site 30 and B) site 50.

These correlations for both Fe and NOM with As show that their role in As
mobilisation is important. Fe is the dominant element that control the

mobilisation of As at site 30 (R? 0.68 vs R? 0.23), while at site 50 it is NOM (R?
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0.6 vs R? 0.31). In general, the average of Q, [Fe] and [NOM] at site 30 are
greater than those of site 50, so it is reasonable to cause larger amount of As
flux. However, it is unable to determine the variability of As dataset as a whole
by Q. The hysteresis effect generated by Q can hide the true impact from a
rising Q or high Q event (discharge event) on As. This may be an explanation
for the lack of correlation between [As] and Q. Overall, the reasonable of this
explanation need to be verified and this process can be considered by

examining a time series of data at high resolution during a discharge event.

Mobilisation of As within a discharge event. The importance of Q in the
mobilisation of As is well known from the As flux calculation. Therefore, the
understanding in the specific impact of Q on the transmission of As under a
temporal change is an important condition for controlling the mobilisation of
As in stream. Since no direct evidence can be found from low temporal
resolution sampling results, in order to determine the effect of the variability in
Q, assessment of the high temporal resolution sampling results on 04/2019
was carried out. Figure 37 shows changes in Q, [NOM], [Fe] and [AS]
throughout the discharge event. The NOM concentrations at both sites were
positively correlated with Q and they rose as Q increased but decreased after
peak flow (558.4 I/s at site 30 and 89.83 I/s at site 50). The peak value of
NOM at site 50 is bigger than that of site 30 (22.82 mg/L vs 14.22 mg/L). In

rivers drainage catchments with NOM rich soils, most of NOM will release
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from soils to streams during discharge events. Therefore, the increase in
NOM concentration is a common trend observed within discharge event

(Morel et al., 2009; Rothwell et al., 2007).

The same as NOM, [Fe] at site 50 had positive correlation with Q and the
clear peak profile (the peak value is 0.623 mg/L) was shown in Figure 37 F.
Although [As] also had a clear peak profile, the peak value (1.1 pg/L) was only
seen after the maximum Q. Unlike site 50, the Fe concentration was at a high
value (2 mg/L) before Q rose (Figure 37 E) due to geological factor mentioned
before and then decreased as the Q increased. This may be because the
dilution at high Q. In addition, [As] reached the highest value (1.25 ug/L)
before the peak of Q due to the impact of Fe (Figure 37 E) but the main
reason for subsequent decline is uncertain. The As concentration at both site
30 and site 50 are likely to be affected by the NOM and Fe during rainstorm

and this requires further analysis for correlation.

The erosion is important in the transport of NOM and Fe from peat to stream,
because it will affect the change pattern or level of NOM and Fe
concentrations in stream by altering hydrological process (e.g. process of
runoff and sediment transportation) and land-surface characteristics, resulting
in [NOM] and [Fe] to be more significantly influenced by Q of a high degree of

variability. The reduction of both vegetation coverage and the surface litter
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created by erosion at site 50 makes that area unable to store water effectively
and reduce soil erosion. In addition, the NOM-rich or Fe-rich peat sediment
accumulated on vegetation near surface generally will resuspend in eroded
site and it can be mobilised by storm flow in stream. Therefore, large amount
of NOM and Fe may not be allowed to accumulate within peat or porewater
during discharge event, resulting in the direct or indirect (following the
sediments) input of Fe and NOM from soil to water (Haag et al., 2001; Kerr
and Cooke, 2017; Zhang et al., 2020). As will be accumulated in sediments by
sorption or other interaction with Fe or NOM under relative low Q during the
whole process of sediment entering the stream and continuing to move. Next,
the As-rich sediments will become the dominate diffuse source in stream
under high Q, resulting in the mobilisation of As from sediment to water by
dissolution. This means the content of As in stream will increase as well as
the mobility (Eggleton and Thomas, 2004; Mayes et al., 2008). This can be
reflected in Figure 37, the highest concentration of NOM and Fe is much
greater than their usual concentration at site 50 within discharge event (22.82
mg/L vs 9.33 mg/L for NOM, 0.623 mg/L vs 0.2 mg/L for Fe). This
subsequently caused the concentration of As to rise more than usual. (1.1
Mg/L vs 0.44 ug/L). Due to the erosion is the likely future situation of upland
peat, the situation that occurs in eroded site 50 needs to be paid enough
attention, because it means that the erosion may cause the release of As and

promote the mobility of As, which represents a potential risk to public health.
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Optimizing land use and rational land management strategies make it
possible to control As mobilisation in stream by reducing soil erosion (Zhang
et al., 2020). As for site 30, the extent of increase in NOM is lower due to the
less erosion. Meanwhile, lower input causes the Fe to be more affected by the
dilution of high Q, leading to reduction of concentration. The contents of NOM
and Fe in stream are important factors influencing the As due to the
correlation between NOM and Fe with As. The finding of Figure 38 and Figure

39 can serve as important reference for their correlation.
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Figure 37 Dissolved NOM (C and D), As, Fe (E and F) concentrations and

discharge (Q) (A and B) for site 30 and site 50 during discharge event.
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The concentration of As was significant correlated with Fe within both sites
(R? 0.62 at site 30 and R? 0.49 at site 50, both P < 0.05) (Figure 38). The
positive relationship supports the role of Fe in mobilising As within stream. A
weak negative correlation (R? 0.11) between NOM and As at site 30 was
shown in Figure 39 A and this suggests that Fe is the dominant factor to
control the transport of As in that area. Therefore, once the Fe concentration
have been diluted by high Q, the concentration of As at site 30 decreased as
well (Figure 37 E). In addition, unlike site 30, the As of site 50 was positively
correlated with NOM (R? 0.4841). Therefore, NOM and Fe at site 50 have the
same effect on As. Due to the different roles of NOM and Fe on As in different
sites or periods, future work should consider the potential effects of ratio
between [NOM] and [Fe] in order to determine the specific factors that
affecting As mobilisation.
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Figure 38 Relationship between [As] and [Fe] for A) site 30 and B) site 50

during discharge event.
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Figure 39 Relationship between [As] and [NOM] for A) site 30 and B) site 50

during discharge event.

Figure 40 demonstrates that the correlations between As concentrations and
Q were still low for both of sites (R? 0.0862 for site 30 and R? 0.0757 for site
50). The change of [As] that was observed in Figure 37 E and F during
discharge event of rising Q may be not directly caused by Q. It has been
shown that the concentration of As is strongly influence by amount of NOM
and Fe (Meharg et al., 2006; Neubauer et al., 2013). Meanwhile, it is well
known that Fe, NOM concentrations are easily affected by Q during discharge
event (Figure 37), which in turn impacts on the resulting associations
(hysteresis effect). Therefore, Q has the possibility of indirectly impact on As
through changing the content of NOM and Fe in stream. Overall, the value of
high temporal resolution sampling is demonstrated by this study. The changes
of elements within environment are various during discharge event, so it is
difficult to capture by low temporal resolution sampling (Vaughan et al., 2019).

The complexity of As mobilisation in stream can also be seen in Figure 41
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The presence of both rising and falling hydrograph limbs causes the low
correlation between As and Q. The trajectory of site 30 was clockwise and this
occurs when concentrations increase more rapidly than the observed Q. This
is named ‘Proteresis’, which means a ‘flush’ response. However, different

trajectory (anticlockwise) was shown at site 50, indicating hysteresis (Boyer et

al., 1997).
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Figure 40 Relationship between Log ([As]) and Log (Q) for A) site 30 and B)

site 50 during discharge event. The trajectory of site 30 is clockwise.
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Figure 41High-resolution time series of [As] v Q during discharge event for A)
site 30 and B) site 50. The time series direction is shown by arrows.
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Changes in PSD of As, Fe and NOM. The determination of the correlation
between PSD of As and the PSD of NOM and Fe is benefit for better
understanding of the factors that control the mobility of As in stream system.
PSD of As, Fe and NOM were shown in Figure 42 The correlation between
PSD of Fe and As was the significant at site 30, because within three samples,
both Fe and As had similar types of PSD (mainly <1>0.2 um when Q was 235
I/s, mainly <1>0.2 ym. <10>3 KD and <3 KD when Q was 268 I/s and 333 I/s)
and the same change trend of each particle size content (mass). NOM of
three samples had all size classes (weak content in <0.2>50 KD) and each
size had low change during different Q. The PSD of As appears to be
controlled by Fe suggests that the major factor for As transport within site 30.
It can be seen in Table 9, the correlation between Fe and As in main particle
size is higher than NOM and As. At site 50, the higher Q resulted in the large
amount of As, Fe and NOM and this conform to the influence of erosion on
the content of As, Fe and NOM described above. There is no clear dominant
that controls the transport of As. This indicate that both NOM and Fe are
related to the mobilisation of As. According to Table 9, both NOM and Fe
have the high correlation with As in particle size <0.2>50 KD, <50>10 KD and
<3 KD. The focus of future work can be to explore the reasons that lead to Fe
or NON becoming the dominant factor in controlling As transmission (e.g.

different Fe/NOM ratios or different mixing order between Fe, As and NOM).
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In addition, a significant portion present of both As and NOM was in form of
truly dissolved species (<10 KD) and it almost increased as the Q rose (Figure
42). This suggests that most mobilised NOM and As in the stream is present
as truly dissolved forms, not colloids or particles. Unlike As and NOM, Fe is
mainly particle (<1>0.2 pm). It is very likely that Fe and NOM affect the
transport of As in particulate form and dissolved form respectively. The

dissolved As in stream exhibits a higher mobility during the periods of rising Q.

Table 9 Correlation coefficients of Fe and NOM with As for each size within

both sites.
Site 30 Site 50
As Fe NOM Fe NOM
size R? P R? P R? P R? P

<1>0.2um | 0.98 | 0.08 013 |0.76| 0.4 0.56 | 0.24 0.67

<0.2>50 KD | 0.98 | 0.08 096 |0.13| 0.92 | 0.17 0.5 0.5

<50>10 KD | 0.05 | 0.86 055 |047| 0.77 | 0.31 | 0.83 0.27

<10>3 KD 0.99 | 0.05 0.1 0.79| 0.05 | 0.84 0.1 0.79

<3 KD 0.88 | 0.23 085 |025| 098 | 0.08 | 0.98 0.08
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Figure 42 PSD of As, Fe and NOM for each site.
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5.4 Conclusions

The detailed study of dissolved As content and its mobilisation under a range
of hydrological conditions in different sites of Peak District, UK has shown the
dissolved As is variable temporally and spatially. This is reflected in the
concentrations monitoring and fluxes estimation. Generally, the average and
range of As concentration and Q at site 30 are greater than those of site 50,
leading to higher As fluxes estimated by methods based on interpolation or
rating relationship. The previously deposited As are leached from the peat to
stream system and can continue to move under baseflow and stormflow
(discharge event). This is a potential risk to the water resources around Peak
District, so it is necessary to determine the factors that affect the mobilisation

of As.

Mobilisation processes of As can be identified by measurement of several
potential controlling variables (Q, [Fe] and [NOM]). The low correlation
between Q and As indicates that dilution effect and changes in the flow path
are not the dominant factors that affecting As content. As is correlated with
both Fe and NOM to varying degrees dependent to on different quantities or
the ratio between the quantities. At site 30, Fe is the dominant factor
controlling As mobilisation due to the higher correlation with As, while at site
50 it is NOM. Since the different dominant observed in the two sites, future

work can try to understand the reasons that cause Fe or NOM to become the
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dominant factor controlling the transport of As in stream by determining mixing

order and ratio between Fe, NOM or As.

The analysis of the high temporal resolution sampling results identifies that
the erosion is important factors influencing the mobilisation of Fe, NOM and
As during discharge event. Erosion affects the hydrological processes and
land-surface characteristics, resulting in the lack of vegetation and
resuspension of sediment. Fe and NOM at site 50 are more susceptible to be
influence by high Q and therefore obviously increased, which cause the
subsequent release of As. Although the direct correlation of As and Q is low,
particular discharge events are responsible indirectly for the transport of As
into stream. Fe and NOM exhibit different mobility in two sites during
discharge event with high Q. Unlike site 50, less input of Fe and NOM due to
less erosion. Fe is still major factor to control the mobilisation of As at site 30
and diluted during discharge event. This is also shown in the correlation of
PSD between Fe and NOM with As. Within site 30, the PSD of Fe and As is
closely correlated and this is reflected in correlation coefficients for each size
fraction, while the PSD of As was correlated with both Fe and NOM at site 50.
In addition, the form of NOM and Fe are also important factors on the
transport of As. The former mainly participates in the transport of As in a

particle form, while the latter is in a truly dissolved form.
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Chapter 6. General Discussion

6.1 Quantity of OC flux from an upland peat catchment

In general, the increasing in release of OC exacerbated climatic warming,
thus increasing the understanding in OC release has great relevance for
environmental research. The ability to estimate OC release over time is
essential to understand the processes involved in release and mobilisation of
OC. The UK peatlands are rich in OC, therefore estimating OC fluxes from
peatlands is an important concern when addressing issues such as climatic
warming and water quality. In this study, two methods (interpolation and rating
relationships) used allowed comparison of OC fluxes on a system. Although
OC fluxes measured by the two methods are similar, the results are still not
100% reliable because there is still a sampling interval during the study period
due to uncontrollable factors (equipment malfunctions or extreme weather
makes research site inaccessible). Therefore, in order to achieve the
accuracy of OC quantification, the sampling intervals should be improved
such as sampling at the highest possible resolution to obtain more samples in

the further monitoring of OC fluxes.

OC fluxes were increased significantly compared to previous estimations by
Do (2013) for the same site, suggesting that OC flux can continually change.
Therefore, it is crucial to understand the factors that contribute to the

increasing export of OC. In this study, higher OC flux in the eroded site means
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that erosion drives the loss and mobility of OC in upland peat catchment,
leading to a significant impact on environmental C balance. Considering that
the eroded nature of the sub catchment studied can be a model of future
situation (reason explained in subsection “Introduction” of Chapter 3), future
upland peat catchments are expected to increase more C mobilisation and my
therefore aggravate climate change caused by global warming. In addition,
OC exports are easily increased by high Q during stormflow, especially in the
eroded site. The results can help us to better understand the impact of
erosion and climate change on the dynamics of OC in upland peat catchment.
Therefore, in order to reduce local C release and its negative environmental
impact, the reasonable land management strategy (improvement of

vegetation coverage) should be further developed.

6.2 Effect of NOM on speciation and size of Fe change with flow path, pH,
temperature and daylight in natural waters

The importance of hydrochemical controls of NOM was highlighted in this
study. Although NOM used is site specific, the subsequent size separation
provides some generic applicability to the findings. The most abundant
(<10>3 KD) size fraction is used in this project. Meanwhile, the range of pH in
which the Fe-NOM interaction occurred covers a large proportion of natural
waters. Due to the presence of NOM, Fell cannot be assumed to be a free

aqueous ion. The mobility of Fe will be reduced through associating with NOM
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to become particulate and the proportion is a function of NOM concentration
and pH. Large changes in speciation of Fe will be caused between 10 and 25
°C. At 10°C, Fell can be preserved by binding to both the product of its own
oxidation, Fe(lll)hydroxide and NOM, but bound to the latter has the potential
to be a finer colloid (<10 KD). At 25 °C, Fe is only bound with NOM, so NOM
will be the main control of the preservation of Fe in oxic water. Darkness
slows down Fe oxidation as well as 10 °C, so Fell has time to bind to the
Felll(hydr)oxide without NOM. In addition, darkness also enhances the
binding of Fe to NOM. This work found that Fe-NOM interactions have a direct
effect on Fe speciation and size, altering solute (Fe) mobility and SSA.
Therefore, it has direct implication for Fe utility in microbial metabolism, and
indirect implications for mobility of pollutants and nutrients through influencing
SSA area of Felll(hydr)oxides, as the surface of Felll(hydr)oxides can control
pollutants and nutrients by sorption, changes in SSA lead to changes in

sorption sites.

6.3 Controls on the mobility of As in natural water: The role of NOM, Fe
and changing hydrological conditions

Even a slight rise in the amounts (the maximum concentration limit is 10 ug/L)
of toxic element As could pose a threat to the natural environment and public
health, it is necessary to measure As concentrations and monitor its fluxes

under a range of hydrological and hdyrochemical conditions. The results of As
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concentrations and fluxes in this study were variable significantly compared to
previous estimations by Hegan (2012) and Rothwell (2011) for the same study
site, reflecting that the dissolved As is variable temporally and spatially. Under
baseflow and stormflow, Fe and NOM can control the mobility of As in stream.
At site 30, the dominant factor is Fe while at site 50 it is NOM. As has different
degrees of correlation with Fe and NOM, which may depend on their different
guantities or ratios between quantities. In addition, the form of NOM and Fe
are also important factors on the mobility of As, the former mainly participates
in the transport of As in a particle form, while the latter is in a truly dissolved
form. Understanding the factors that affect As release are benefit for As
mobility management and control. Future work can try to understand the
reasons that cause Fe or NOM to become the dominant factor controlling the
mobility of As in stream by determining mixing order and ratio between Fe,
NOM or As, this may help to further prediction of the mobility and ultimate fate

of As.

Fe and NOM at eroded site are more likely to be affected by high Q during
stormflow and rise, indicating that erosion is an important factor influencing
the mobilisation of Fe, NOM by changing hydrological process, which cause
the subsequent releasee and mobility of As. Less input of Fe and NOM due to
less erosion at uneroded site during stormflow. Fe is still dominant factor to

control the mobility of As and diluted during high Q, resulting in reduction of As
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concentration. Therefore, the previously deposited As will leach and move in
upland peat catchment to stream system continuously due to the erosion and
climatic change (stormflow) and it means that there is a potential risk to the
water resources around Peak District. Therefore, the reasonable land
management strategy (improvement of vegetation coverage) should be further
developed to reduce the impact of erosion and stormflow period on As release,
which is benefit for controlling the harm of As pollution on environment and

public health.
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