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H I G H L I G H T S  G R A P H I C A L  A B S T R A C T  

• A TK-TD model was constructed for 
delineating the exposure-response cau
sality chain. 

• Uptake was simulated considering water 
chemistry and biotic ligand 
characteristics. 

• Potentially toxic pool was modelled 
based on metabolism, detoxification, 
elimination. 

• Biomarker responses were related to the 
concentration of potentially toxic metal.  
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A B S T R A C T   

A toxicokinetic-toxicodynamic model was constructed to delineate the exposure–response causality. The model 
could be used: to predict metal accumulation considering the influence of water chemistry and biotic ligand 
characteristics; to simulate the dynamics of subcellular partitioning considering metabolism, detoxification, and 
elimination; and to predict chronic toxicity as represented by biomarker responses from the concentration of 
metals in the fraction of potentially toxic metal. The model was calibrated with data generated from an 
experiment in which the Zebra mussel Dreissena polymorpha was exposed to Cu at nominal concentrations of 25 
and 50 μg/L and with varied Na+ concentrations in water up to 4.0 mmol/L for 24 days. Data used in the 
calibration included physicochemical conditions of the exposure environment, Cu concentrations in subcellular 
fractions, and oxidative stress-induced responses, i.e. glutathione-S-transferase activity and lipid peroxidation. 
The model explained the dynamics of subcellular Cu partitioning and the effect mechanism reasonably well. With 
a low affinity constant for Na + binding to Cu2+ uptake sites, Na + had limited influence on Cu2+ uptake at low 
Na+ concentrations in water. Copper was taken up into the metabolically available pool (MAP) at a largely higher 
rate than into the cellular debris. Similar Cu concentrations were found in these two fractions at low exposure 

* Corresponding author. 
E-mail address: yen.le@uni-due.de (T.T.Y. Le).  

Contents lists available at ScienceDirect 

Chemosphere 

journal homepage: www.elsevier.com/locate/chemosphere 

https://doi.org/10.1016/j.chemosphere.2021.131930 
Received 22 June 2021; Received in revised form 3 August 2021; Accepted 16 August 2021   

mailto:yen.le@uni-due.de
www.sciencedirect.com/science/journal/00456535
https://www.elsevier.com/locate/chemosphere
https://doi.org/10.1016/j.chemosphere.2021.131930
https://doi.org/10.1016/j.chemosphere.2021.131930
https://doi.org/10.1016/j.chemosphere.2021.131930
http://crossmark.crossref.org/dialog/?doi=10.1016/j.chemosphere.2021.131930&domain=pdf


Chemosphere 286 (2022) 131930

2

levels, which could be attributed to sequestration pathways (metabolism, detoxification, and elimination) in the 
MAP. However, such sequestration was inefficient as shown by similar Cu concentrations in detoxified fractions 
with increasing exposure level accompanied by the increasing Cu concentration in the MAP.   

1. Introduction 

The response of aquatic organisms to metal exposure occurs as a 
causal consequence of a number of factors, from environmental avail
ability, uptake, elimination to internal detoxification. Therefore, delin
eating the chain of exposure-response causality requires consideration of 
all these factors. Accordingly, extensive efforts have been put in taking 
take these factors into account, contributing to significant progress in 
environmental risk assessment for metals. One example is the develop
ment of speciation models for simulating metal bioavailability. Only the 
bioavailable fraction of the total amount of metals in the environment 
can be taken up by organisms (Peijnenburg et al., 2002). A significant 
fraction of the total metal is non-available due to formation of organic 
and inorganic metal complexes (Di Toro et al., 2001). Metal bioavail
ability depends on environmental chemistry, such as the concentrations 
of dissolved organic carbon (DOC), Na+, and Ca2+ (Sprague, 1968; 
Pagenkopf et al., 1974; Allen et al., 1980; Playle, 1998). The proportion 
of various metal species could be predicted well by speciation models, e. 
g. WHAM (Tipping, 1998) and visual MINTEQ (Gustafson, 2011). 
Accordingly, the free metal ion activity model (FIAM) has been devel
oped in which the free metal ions in solution are assumed to represent 
bioavailable metal species, determining metal uptake and subsequent 
toxicity (Morel, 1983; Campbell, 1995). 

However, metal toxicity is not determined by the free metal ion ac
tivity alone (De Schamphelaere and Janssen, 2002; He et al., 2014). 

Protons (H+) and other major cations (e.g. Na+, Ca2+, Mg2+, K+) might 
compete with metal ions at sites of toxic action (Playle et al., 1993; 
Playle, 1998), affecting metal toxicity (De Schamphelaere et al., 2005; 
Le et al., 2012). Both chemical speciation and cation competition are 
included in the biotic ligand model (BLM; Di Toro et al., 2001). This 
model assumes that metal toxicity results from the binding of free metal 
ions or other reactive species to physiologically active or transport sites 
at biotic ligands on the organism-water interface (Di Toro et al., 2001; 
De Schamphelaere and Janssen, 2002; Paquin et al., 2002). In the BLM, 
the hypothetical biotic ligand is usually the surface membrane, while 
only metals internalised into the cells can initiate effects (Croteau and 
Luoma, 2009). In addition, metal concentrations at target sites are 
hardly quantified for invertebrates. Despite that, the BLM principle can 
be applied to estimate the uptake rate considering cation competition 
(Slaveykova and Wilkinson, 2005; Wang and Tan, 2019). 

The approach mentioned above as well as other biokinetic models 
can estimate metal uptake and the internal concentration reasonably 
well. However, adverse effects might not be directly related to the total 
body burden because of the sequestration of internalised metals by 
subcellular ligands and its role in the tolerance to metal exposure 
(Rainbow, 2002, 2007; Vijver et al., 2004; de Paiva Magalhaes et al., 
2015). The association of metals with insoluble metal-rich granules 
(MRG) or the binding to heat-stable proteins in the cytosol (or 
metallothionein-like proteins, MTLP) reflects the detoxification capacity 
(Wallace et al., 2003; Vijver et al., 2004; Rainbow et al., 2011). By 

Fig. 1. A toxicokinetic-toxicodynamic (TK-TD) model with the accumulation of metals in the potentially toxic metal fraction (CPTM) as the connecting point. 
Simulation of the TK phase is based on the concepts of the biotic ligand model, i.e. the metal uptake rate depends on the activity of free metal ions (speciation model) 
and the interactions of free metal ions with the biotic ligands at the gills (represented by the binding constants KCuBL and KNaBL); and the subcellular metal parti
tioning model: metals taken up via gills are distributed to the metabolically available pool (including metals in association with organelles ORG and head-sensitive 
proteins HSP) and the cellular debris with the rates JMAP and JCD, respectively. Metals can be transported between these two fractions with rates k12 and k21. From the 
cellular debris, metals can be eliminated at a rate constant ke,cd. Part of the metal in the MAP is used in the metabolic processes (CME), while the excess metal above 
the metabolic requirement is built-up in the potentially toxic metal pool (CPTM) where metals can be reversibly detoxified by binding to metallothionein-like proteins 
with a detoxification rate constant krD (CMTLP), irreversibly detoxified by the storage in metal-rich granules (CMRG) with a detoxification rate constant kiD, or 
eliminated at a rate constant ke,ptm. Part of reversibly detoxified metals can be released back to the MAP, which can be used in metabolism, or internalised into the 
metal-rich granules with a rate constant k45. Part of irreversibly detoxified metals can be eliminated at a rate constant ke,mrg. 
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contrast, interactions of metals with physiologically sensitive molecules 
(e.g. small peptides, heat-sensitive proteins, DNA and RNA) or organ
elles (mitochondria, nuclei, and membranes) account for potential 
interference of metals on essential physiological processes (Serafim and 
Bebianno, 2007; Pan and Wang, 2008; Blanchard et al., 2009; Kamunde, 
2009). Although metal concentrations in various subcellular fractions 
could be experimentally quantified by standardized biochemical frac
tionation techniques (Wallace et al., 1998, 2003, 2003; Blackmore and 
Wang, 2002), subcellular metal partitioning is a dynamic process (Wang 
and Rainbow, 2006; Campana et al., 2015), requiring modelling ap
proaches for a mechanistic understanding. 

Toxicokinetic-toxicodynamic (TK-TD) models simulate the time- 
course processes that determine adverse effects on organisms (Ashauer 
and Escher, 2010; Jager et al., 2011). With evident advantages, these 
models have been widely applied for predicting acute toxicity (Gao 
et al., 2015, 2017; Feng et al., 2018), and only recently for chronic 
toxicity (Le et al., 2021a). In most of the previous TK-TD models, the 
total internal concentration was considered the connecting point be
tween the TK phase and the TD phase. In the former, the internal con
centration was usually predicted from the total or dissolved metal 
concentration in the solution, ignoring potential influence of water 
chemistry on chemical speciation or on metal uptake (Jager et al., 2011; 
Tan and Wang, 2012; Ashauer et al., 2013). In the later, acute toxicity is 
usually related to the internal metal concentration (e.g. Ashauer et al., 
2013; Gao et al., 2015; Feng et al., 2018), excluding the significance of 
internal metal sequestration. 

Considering the importance of the above issues, the influence of 
water chemistry has been considered in some recently developed TK-TD 
models (Gao et al., 2015, 2017, 2017; Feng et al., 2018), while subcel
lular metal partitioning has been integrated in some others (Tan and 
Wang, 2012). However, a TK-TD model in which all the factors are 
simultaneously considered in modelling the response of organisms to 
metal exposure is still not available, preventing a delineation of the 
whole exposure-response causality. Therefore, the aim of the present 
study is to develop a TK-TD model for delineating the exposure-response 
causality chain determining chronic Cu toxicity to the Zebra mussel by 
including: 1) water chemistry in simulating metal uptake; 2) subcellular 
metal partitioning in predicting the concentration of potentially toxic 
metal; and 3) biomarker responses at sub-lethal levels. 

2. Materials and methods 

2.1. Model specification 

The TK-TD model developed in the present study delineates and links 
the processes involved in the exposure-response causality chain: 
bioavailability influenced by water chemistry; uptake as a function of 
water properties and biotic ligand characteristics; subcellular metal 
partitioning as a result of metabolism, detoxification, and elimination; 
and physiological responses of organisms determined by the fraction of 
potentially toxic metal (Fig. 1). In the TK phase, metal uptake was 
simulated based on the BLM concept to account for the effects of 
chemical speciation and cation competition. Subsequently, metals are 
taken up to the cellular debris and the metabolically available pool 
(MAP; consisting of metals in association with organelles ORG or heat- 
sensitive proteins HSP) (Fig. 1). In addition, the concentration in the 
fraction of potentially toxic metal was simulated considering various 
chelation pathways. Excess metals in the MAP (i.e. above the metabolic 
requirements in combination with the detoxification and elimination 
capacity) form the fraction of potentially toxic metal (PTM) as a balance 
of uptake, metabolism, elimination, and detoxification (Fig. 1). This 
compartment was assumed to represent the fraction of metals at sites of 
toxic action. On the one hand, this approach is in accordance with the 
previous findings that sub-lethal effects of Cu were related to the build- 
up of Cu in non-detoxified pools (Rainbow and Smith, 2013; Kalman 
et al., 2015). On the other hand, the proposed approach allows for 

distinguishing the metal required for metabolic processes from the 
metabolically available species. In the TD phase, biological responses 
were linked to the concentration of potentially toxic metal. 

2.2. Model characterisation 

2.2.1. Toxicokinetic simulation 
Metals as free ions are taken up to the cellular debris (Compartment 

1) and the MAP (Fig. 1; Wang, 2013). In the cellular debris, metal 
accumulation depends on the uptake of free ions from the dissolved 
phase (JCD; μg/g/d), elimination (ke,CD; 1/d), and the transport to and 
from the MAP (k12 and k21; 1/d, respectively) (Fig. 1). Waterborne 
metals are transported from the MAP to the detoxified pools (Ng and 
Wang, 2005). Accordingly, detoxified and metabolically available pools 
are distinguished (Vijver et al., 2004; Luoma and Rainbow, 2008; 
Rainbow and Luoma, 2011b). In the MAP, metals are used for essential 
metabolic processes (represented by the metabolic fraction as 
compartment 2; CME) at a rate constant kme (1/d), while the excess metal 
forms the fraction of potentially toxic metal (CPTM; compartment 3). 
Excess metals can be eliminated with a rate constant ke,PTM (1/d), 
reversibly detoxified by binding to MTLP at a rate constant krD (1/d) 
(forming the reversibly detoxified or MTLP fraction CMTLP; compartment 
4), or irreversibly detoxified via incorporation into the MRG with a rate 
constant kiD (1/d) (forming the irreversibly detoxified or MRG fraction 
CMRG; compartment 5). The MTLP and MRG fractions constitute the 
biologically detoxified metal (BDM). Furthermore, reversibly detoxified 
metals can be released from binding to MTLP back to the MAP (kr; 1/d) 
where they can be used in metabolism (Brouwer et al., 2002; Amiard 
et al., 2006). Irreversibly detoxified metals can be excreted due to the 
elimination of the granules (ke,MRG; 1/d) (Gibbs et al., 1998; Vijver et al., 
2004). Moreover, reversibly detoxified metals can be incorporated into 
the MRG due to the breakdown of a lysosome (represented by a rate 
constant k45) (Luoma and Rainbow, 2008). The above simulation ac
counts for the elimination from both the excess fraction and from the 
detoxified fraction, which has been reported for essential metals 
(Rainbow, 2002). Metal accumulation in the PTM fraction occurs as a 
function of uptake, metabolism, detoxification, and elimination (Fig. 1). 
Consequently, the internal metal concentration can be written as: 

Cint =CCD + CME + CPTM + CMTLP + CMRG (1) 

According to the BLM concept, cations like Na+ might form com
plexes with biotic ligands at a ratio expressed by an affinity constant, 
assuming that the complexation capacity is independent of water quality 
(De Schamphelaere and Janssen, 2002). In the presence of Na+, Cu2+

uptake (JCu; μg/g/d) can be described by a competitive saturation 
equation as written by Sunda and Huntsman (1998): 

JCu =
Jmax × {Cu2+} × KCuBL

{Cu2+} × KCuBL + {Na+} × KNaBL + 1
(2)  

where Jmax (μg/g/d) is the maximum uptake rate obtained at saturation 
of the transport sites; {Cu2+} and {Na+} (mol/L) are free ion activities of 
Cu2+ and Na+ in water; KCuBL and KNaBL (L/mol) are affinity constants 
for the binding of Cu2+ and Na + to the Cu2+ transport site, respectively. 
A similar approach has been applied for simulating metal accumulation 
in recently developed TK-TD models (Gao et al., 2015, 2017; Feng et al., 
2018; Wang and Tan, 2019). In this equation, the maximum uptake rate 
and the affinity constants can be determined by fitting the data on metal 
accumulation (Gao et al., 2015). 

Taking all these processes into consideration, the metal concentra
tion in the cellular debris could be expressed as a function of the uptake 
of free metal ions (the 1st factor), elimination (the 2nd factor), and the 
transport with the MAP (last factors): 
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dCCD

dt
=

JmaxCD × KCuBL × {Cu2+}

1 + KCuBL × {Cu2+} + KNaBL × {Na+}
− ke,CD ×CCD

+ (k21 ×CPTM − k12 ×CCD) (3)  

where CCD (μg/g dw) is the Cu concentration in the cellular debris; 
JmaxCD (μg/g dw/d) is the maximum Cu2+ influx rate to the cellular 
debris; KCuBL and KNaBL (L/mol) are the affinity constants of Cu2+ and 
Na + to Cu2+ uptake sites, respectively; {Cu2+} and {Na+} (mol/L) are 
the free ion activities of Cu2+ and Na+ in the external medium, respec
tively; ke,CD (1/d) is the rate constant for Cu elimination from the 
cellular debris; and k12 and k21 (1/d) represent the Cu transport between 
the cellular debris and the MAP (Wang, 2013). 

Similarly, metal accumulation in the PTM is a function of the uptake 
of free metal ions from the solution (the 1st factor), the exchange with 
the cellular debris (the 2nd factor), the release of reversibly detoxified 
metals from binding to MTLP (the 3rd factor), metabolism (the 4th fac
tor), and detoxification and elimination (last factors): 

dCPTM

dt
=

JmaxMAP × KCuBL × {Cu2+}

1 + KCuBL × {Cu2+} + KNaBL × {Na+}
+ (k12 ×CCD − k21 ×CPTM)

+ kr ×CMTLP −
dCME

dt
−
(
krD + kiD + ke,PTM

)
× CPTM

(4)  

with kr (1/d) being the rate constant at which reversibly detoxified 
metals are released back to the MAP. This equation reflects the depen
dence of the build-up of excess metals on uptake, metabolism, detoxi
fication, and elimination. The concentration of metals in the metabolic 
fraction (CME; μg/g) was modelled as a function of the metabolic 
requirement, which acts as the maximum concentration in this fraction, 
as applied by Veltman et al. (2014) for modelling Na+ influx and by Le 
et al. (2021a) for modelling the binding of Na+ to Na+/K+-ATPase 
enzymes: 

dCME

dt
= kme ×CPTM ×

(

1 −
CME

Memax

)

(5)  

with kme (1/d) being the metabolism rate constant; and Memax (μg/g dw) 
representing the maximum metabolic requirement. The maximum 
metabolic requirement is indicative of the maximum concentration of 
Cu used in metabolic processes. The Cu concentration in the MAP 
measured in the mussels living in a Cu-depleted environment cannot 
appropriately reflect this parameter. Instead, it was parameterised based 
on theoretical estimates of metabolic requirements derived by White 
and Rainbow (1985). Requirements for enzymes and for respiratory 
pigment proteins were considered in the estimation (White and 
Rainbow, 1985). In this approach, enzyme requirements were theoret
ically estimated from the number of copper-bearing enzymes and their 
proportions in the total number of enzymes in metabolizing tissues 
(White and Rainbow, 1985). Within the bivalvia, hemocyanins are 
restricted to the Protobranchia (Markl, 2013). Markl (private commu
nication) suggested that the ancestors of other bivalves lost hemocya
nins during evolution to adapt to their sessile filter-feeding lifestyle. 
Accordingly, hemocyanins were not included in the theoretical estimate 
of Cu metabolic requirements in the Zebra mussel. An estimate of the 
enzyme requirement of 26.3 μg/g dw (excluding haemocyanins) ob
tained by White and Rainbow (1985) was deployed to represent the 
maximum metabolic requirements for Cu. 

Replacing Equation (5) to Equation (4) results in 

dCPTM

dt
=

JmaxMAP ×KCuBL ×{Cu2+}

1+KCuBL ×{Cu2+}+KNaBL ×{Na+}
+(k12 ×CCD − k21×CPTM)

+kr ×CMTLP − kme×CPTM ×

(

1 −
CME

Memax

)

−
(
krD +kiD+ke,PTM

)
×CPTM

(6) 

Combining Equations (5) and (6) provides an estimation of the metal 

concentration in the MAP: 

dCMAP

dt
=

JmaxMAP × KCuBL × {Cu2+}

1 + KCuBL × {Cu2+} + KNaBL × {Na+}
+ (k12 ×CCD − k21 ×CPTM)

+ kr ×CMTLP −
(
krD + kiD + ke,PTM

)
× CPTM

(7) 

Similar mass-balance equations were used to describe metal con
centrations in the reversibly (CMTLP; μg/g dw) and irreversibly (CMRG; 
μg/g dw) detoxified fractions: 

dCMTLP

dt
= krD × CPTM − k45 × CMTLP − kr × CMTLP (8)  

dCMRG

dt
= kiD × CPTM + k45 × CMTLP − ke,MRG × CMRG (9)  

with krD (1/d) and kiD (1/d) being detoxification rate constants; and k45 
(1/d) being the rate constant at which reversibly detoxified metals are 
agglomerated into the MRG. 

Therefore, the total internal Cu concentration (Cint; μg/g dw) can be 
expressed as: 

dCint

dt
=

(JmaxCD + JmaxMAP) × KCuBL × {Cu2+}

1 + KCuBL × {Cu2+} + KNaBL × {Na+}
− ke,CD ×CCD − ke,PTM

×CPTM − ke,MRG × CMRG

(10) 

This equation was a modified version from those developed by Gao 
et al. (2015, 2017) and Feng et al. (2018) so that metal elimination was 
specified from the cellular debris, PTM, and MRG fractions (Wang, 
2013). 

2.2.2. Toxicodynamic simulation 
In acute TK-TD models, a lower threshold level is usually included in 

the ordinary differential equation relating adverse effects to the internal 
metal concentration or the metal concentration at the target site (Jager 
et al., 2011; Ashauer et al., 2013; Gao et al., 2015, 2017; Wang and Tan, 
2019). In chronic exposure at sub-lethal levels, biomarker responses 
have been observed even at the background concentration (See discus
sion). Therefore, such a threshold was not included. By contrast, a re
covery rate constant was integrated to account for recovery processes, e. 
g. repair mechanisms at cellular levels and physiological adaptation 
(Ashauer et al., 2007; Jager et al., 2011). As such, biological responses of 
organisms were expressed as: 

dGST
dt

= kacGST × CPTM − kreGST × GST (11)  

dLPO
dt

= kacLPO × CPTM − kreLPO × LPO (12)  

where kacGST and kacLPO (units of GST or LPO/(μmol/g dw)/d) are the 
rate constants for damage accrual; and kreGST and kreLPO (1/d) regard the 
damage recovery. 

All mathematical equations of the final model is given in SA, Sup
porting Information. 

2.3. Identifiability and sensitivity analyses 

A structural identifiability analysis was conducted using GenSSI2 
(Chis et al., 2011; Ligon et al., 2018) to examine the possibility of the 
model to deliver a unique solution for the unknown parameters with 
noise-free data. The analysis demonstrated that the developed model 
was structurally identifiable with a number of parameters being globally 
identifiable. In addition, a sensitivity analysis was implemented using 
the MATLAB-based AMIGO toolbox (Balsa-Canto et al., 2010) to assess 
the global ranking of the unknown parameters regarding their influence 
on model estimation. This analysis is based on Latin hypercube sampling 
in which effects of changes in parameters on model outputs are 
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quantified considering interactions between parameters (Balsa-Canto 
et al., 2010). The analysis revealed that the model estimation was least 
sensitive to the rate constant for Cu elimination from the cellular debris 
(ke,CD). 

2.4. Model calibration 

Unknown parameters were determined by fitting data to the final 
model (SA, supporting Information) using the MATLAB-based AMIGO 
toolbox (Balsa-Canto et al., 2016). Data required for model calibration 
included: 1) the free Cu2+ and Na + activities obtained from the speci
ation model as mentioned above; 2) Cu concentrations in the cellular 
debris, MRG, MTLP, and MAP fractions; and 3) lipid peroxidation (LPO) 
and the glutathione-S-transferase (GST) activity. Such data were ob
tained from an exposure experiment in which the Zebra mussel (Dreis
sena polymorpha) was exposed to waterborne Cu for 24 days at nominal 
concentrations of 25 and 50 μg/L when Na+ was added to the recon
stituted water at concentrations of 0.5, 1.5, 2.7, and 4.0 mmol/L (Le 
et al., 2021b). Water was renewed daily and sampled for measurements 
of dissolved metal concentration after water renewal and 24-h post 
water renewal (Le et al., 2021b). Mussels were sampled once in four 

days and stored at − 80 ◦C for further analyses. 
The analysis of metal concentrations in water was described in Le 

et al. (2021b). Daily concentrations were calculated as the mean of the 
initial and final metal concentrations for each renewal interval. The 
mean of these daily concentrations (Table S1, Supporting Information) 
was considered the actual exposure level for estimating free metal ion 
activities with the WHAM model (Tipping, 1998). The pH, the measured 
dissolved Cu concentration, and the water chemistry of the reconstituted 
water (Osterauer et al., 2010) were used as input parameters to achieve 
estimates of free metal ion activities of Cu and Na ({Cu2+} and {Na+}, 
respectively). Subsequently, the free metal ion activities were deployed 
as inputs for model calibration. The measurements of the biomarkers 
were described in Le et al. (2021a) with the raw data being given in the 
Supporting Information (Tables S6 and S7). A description of the inves
tigation for subcellular Cu partitioning is shown below while the data on 
Cu concentrations in subcellular fractions are presented in Tables S2, S3, 
S4, and S5, Supporting Information. 

In the model calibration, the affinity constants of Cu2+ and Na + for 
the copper uptake sites were assumed to be independent of water 
chemistry, following the assumption of the BLM (De Schamphelaere and 
Janssen, 2002). A similar assumption was applied for the maximum 

Fig. 2. The relationship between the measurements and the estimates of Cu concentrations in subcellular fractions: cellular debris (A and B), metabolically available 
pool (MAP; C and D), reversibly detoxified fraction in binding with metallothionein-like protein (MTLP; E and F), irreversibly detoxified fraction in association with 
metal-rich granules (MRG; G and H); and of biomarker responses in terms of glutathione-S-Transferase (GST) activity (I and J) and lipid peroxidation (LPO; K and L) 
at nominal concentrations of 25 (on the left site) and 50 μg/L Cu (on the right site). The areas covered by the solid lines represent the confidence interval with the line 
in the middle representing the mean estimate. Dots and bars represent the measurements (average ± standard deviation) when Na+ was added to the reconstituted 
water at 0.5 mmol/L. 
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uptake rate as well as for the damage accrual and recovery rate con
stants. By contrast, the parameters determining subcellular metal par
titioning was assumed to be influenced by the exposure level, not the 
Na+ concentration in water. This assumption is based on negligible in
teractions between Cu and major cations in the intracellular trafficking 
and transport (Handy et al., 2002). Because of the least sensitivity of the 
model estimates to the rate constant that Cu was eliminated from the 
cellular debris (ke,CD), this parameter was excluded from the model 
calibration. 

2.5. Subcellular copper fractionation and metal analyses 

The subcellular fractionation was conducted according to the widely 
applied approach developed by Wallace et al. (2003). After being 
removing from the shell, mussel soft tissue from two mussels was pooled 
together and homogenised in cold 20 mM TRIS buffer (pH 7.6) at a ratio 
of 1: 10 w/v using an UltraTurrax tissue homogeniser. The homogenate 
was then centrifuged at 1,450×g and 4 ◦C for 15 min. The pellet was 
digested in 1 M NaOH at 90–95 ◦C for 10 min in a water bath. The 
mixture was then centrifuged at 5,000×g for 10 min to separate the 
cellular debris in the supernatant from MRG as pellets. The supernatant 
from the 1,450×g centrifugation was centrifuged at 100,000×g for 1 h to 
separate the organelle fraction in the pellet from the cytosol in the su
pernatant. The supernatant was heated at 80 ◦C in a water bath for 10 
min, cooled for 1 h in ice, and subsequently centrifuged at 30,000×g and 
4 ◦C for 30 min to separate HSP (mainly enzymes) in the pellet and MTLP 
in the supernatant. Four replicates (8 individuals) were implemented for 

each sample. Procedural blanks, i.e. without tissues, were processed 
with the same protocol to take the correction for laboratory and 
equipment contamination. Each fraction was dried at 105 ◦C and 
digested with 4 mL HNO3 (65%, sub-boiled) using a MARS 6 microwave 
digestion system (CEM GmbH, Kamp-Lintfort, Germany; Le et al., 
2021b). Concentrations of Cu in the digested samples as well as in water 
samples were analysed using a Perkin-Elmer-Sciex DCR-e inductively 
coupled plasma mass spectrometer as described in our previous study 
(Le et al., 2021b). The concentration of Cu in the MAP was derived from 
the concentrations in the organelle and HSP fractions. 

3. Results and discussions 

In general, the TK-TD model developed was able to capture varia
tions in both Cu concentrations in subcellular fractions and oxidative 
stress-caused responses in the Zebra mussel (Fig. 2 and Figs. S1, S2, S3). 
Estimates (mean ± error bound margin) for unknown parameters of the 
TK-TD model determined in model calibration are given in Table 1. By 
integrating the influence of exposure conditions (in both terms of metal 
availability and cation competition) and biotic ligand characteristics on 
metal uptake, the influence of metabolism as well as the detoxification 
and elimination capacity, the model allows for delineating the exposure- 
response causality chain. 

Fig. 2. (continued). 
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3.1. Influence of water chemistry on metal uptake and the BLM-aided 
toxicokinetic modelling 

With the chemical properties of organic matter-free reconstituted 
water, the Na+ concentration in water hardly affected Cu speciation and 
bioavailability. This was displayed by limited changes in the free copper 
ion activity with changed Na+ concentration from 0.5 to 4.0 mmol/L 
generated by the chemical speciation with the WHAM VII model. The 
affinity constant for Na + binding to Cu2+ uptake sites was substantially 
lower than that for Cu2+ (Table 1). According to Gao et al. (2015), the 
BLM-aided approach as applied in the present study allows for consid
ering the impacts of species characteristics (represented by the biotic 
ligand) and water chemistry on metal uptake. The low affinity constant 
of Na + for Cu2+ uptake sites contributed to limited influence of Na+ on 
Cu uptake by the Zebra mussel at low Na+ concentrations in water 
(Fig. 2 and Figs. S1, S2, S3). However, it is not indicative of a lack of a 
competition between Na+ and Cu2+. The affinity constant is a ratio of 
the kinetic rate constant for the complexation with the membrane 
transport site to a combination of the constant for dissociation of metals 
back to the medium and the constant for the internalisation of the metal 
across the membrane into the cytoplasm (Sunda and Huntsman, 1998). 
The affinity constant for Na+ binding to Cu2+ uptake sites is substan
tially lower than the affinity constant for binding to sites of toxic action 
derived by the BLM (Niyogi and Wood, 2004). By contrast, the affinity 
constant for Cu2+ binding to the uptake sites in the present study was 
similar to that of Cu2+ binding to sites of toxic action determined by the 
BLM (Niyogi and Wood, 2004). According to Feng et al. (2018), similar 
affinity constants, which were derived based on accumulation and 

toxicity data, correspond to the case that both the sites of uptake and the 
sites of toxic action are on the membrane surface in organisms. Alter
natively, different values of affinity constant reflect the differences be
tween the location of uptake sites and sites of toxic action, i.e. the former 
on the surface of the cell membrane while the later inside the cell. 

3.2. Subcellular metal partitioning and the fraction of potentially toxic 
metal 

Copper was taken up to the MAP at a substantially higher rate than to 
the cellular debris (JmaxCD ≪ JmaxMAP; Table 1). However, such a gap was 
not seen in Cu concentrations in these two pools (Fig. 2A-B-C-D and 
Figs. S1A-B-C-D, S2A-B-C-D, S3A-B-C-D), attributed to the difference in 
sequestration strategies exhibited by model calibration results (Table 1). 
The concentration of Cu in the cellular debris was negligibly affected by 
outfluxes (elimination and transport to the MAP) compared to the in
fluxes (uptake from solution and transport from the MAP) as shown in 
Table 1, contributing to steady increases in the Cu concentration in this 
compartment (Fig. 2A–B and Figs. S1A-B, S2A-B, S3A-B). By contrast, 
the Cu concentration in the MAP was influenced by various outfluxes (i. 
e. transport to the cellular debris, elimination, and detoxification; 
Table 1). At a nominal concentration of 25 μg/L, similar concentrations 
of Cu in these two fractions (Fig. 2A–C and Figs. S1A-C, S2A-C, S3A-C) 
reflected the ability of the Zebra mussel to detoxify and eliminate Cu in 
the MAP (Table 1). However, such an observation was not seen at the 
higher exposure level (Fig. 2B–D and Figs. S1B-D, S2B-D, S3B-D), indi
cating the spill-over of these sequestration pathways. 

Model calibration results showed the dependence of other kinetic 

Fig. 2. (continued). 

T.T.Y. Le et al.                                                                                                                                                                                                                                  



Chemosphere 286 (2022) 131930

8

parameters on the exposure level (Table 1). For example, the Cu trans
port between the cellular debris and the MAP (represented by k12 and 
k21) was increased with increasing Cu exposure level (Table 1). At the 
low exposure level, Cu was released from the binding to MTLP back to 
the MAP (kr) at a high rate to fulfill Cu requirement for metabolic pro
cesses (Table 1). By contrast, this flow was negligible at the higher 
exposure level as the concentration of Cu in the MAP exceeded the 
metabolic requirements (Table 1). Both the detoxification by binding to 
MTLP and elimination from the MAP decreased with increasing expo
sure level (Table 1), implying spill-over effects of the detoxification 
mechanisms. Contrasting with such a trend for Cu accumulation in the 
MAP, Cu was eliminated from the MRG at a higher rate at an exposure 
level of 50 μg/L compared to 25 μg/L (Table 1). Additionally, Cu was 
used for metabolic processes at an increasing rate with increasing 
exposure level (Table 1). Such changes demonstrated the dynamics in 
subcellular Cu compartmentalisation. 

The model also unraveled the differences between two detoxification 
pathways (Table 1). Copper binding to MTLP (reversible detoxification) 

occurred at a higher rate than the incorporation into the MRG (irre
versible detoxification) (krD ≫> kiD; Table 1). This trend might explain 
higher concentrations of Cu bound to MTLP than the concentrations in 
the MRG (Fig. 2E-F-G-H; and Figs. S1E-F-G-H, S2E-F-G-H, S3E-F-G-H). 
The distribution of Cu to these two fractions additionally depended on 
the incorporation of MTLP-bound Cu into the MRG as well as the 
elimination from the MRG, which both increased with exposure con
centration (Table 1). A higher rate of reversible detoxification compared 
to a combination of the rates for Cu dissociation from the binding to 
MTLP and for incorporation into the MRG (Table 1) resulted in slight 
increases in the Cu concentration in the MTLP fraction (Fig. 2E–F and 
Figs S1E-F, S2E-F, S3E-F). In addition to the elimination, the lower 
irreversible detoxification as well as the low incorporation of MTLP- 
bound Cu to the MRG contributed to the stability of Cu concentrations 
in the MRG during the 24-day exposure (Fig. 2G–H and Figs. S1G-H, 
S2G-H, S3G-H). 

In comparison to the predictions of Cu concentrations in the cellular 
debris, MAP, and MTLP fractions, the estimates of Cu concentrations in 
the MRG deviated more from the measurements, especially at the last 
exposure period (Fig. 2H and Figs. S1H, S2H, S3H). The limited capacity 
of the model to simulate Cu accumulation in this fraction is attributable 
to several factors. Unlike the simulation in the model, metal accumu
lation in the MRG might follow a hyperbolic relationship, as also re
ported for metal binding to MTLP (Brown and Parsons, 1978; Roesijadi, 
1980). Another explanation might be related to the time required for 
metal incorporation into inorganic granules (Brown, 1982; Vijver et al., 
2004). Therefore, the use of one rate constant for irreversible detoxifi
cation as in the model might not appropriately describe the kinetic Cu 
accumulation in the MRG. A two-compartment PTM for slow and quick 
detoxification via incorporation in the MRG might be considered to 
improve the prediction accuracy. 

The model was least sensitive to parameters related to Cu kinetics in 
the cellular debris. This result indicated the limited significance of this 
compartment in terms of toxicology, which is consistent with the find
ings of previous studies (Cain et al., 2004; Buchwalter et al., 2008). This 
fraction is usually excluded in models based on subcellular metal par
titioning (Tan and Wang, 2012). Despite that, the present study 
demonstrated that this compartment should be considered as well. On 
the one hand, such an approach facilitates an estimation of the total 
internal concentration. On the other hand, the inclusion of metal accu
mulation in this fraction provides more accurate estimates of metal 
concentrations in other subcellular fractions. With a high transport rate 
from the MAP to the cellular debris compared to the backward flow 
(Table 1), metal accumulation in the cellular debris might play a role as 
a storage compartment, thus reducing the metal concentration in the 
MAP or the concentration of potentially toxic metal. 

3.3. Relationship between metal binding to sensitive fractions and metal 
toxicity 

In the last step of the causality chain, the model unraveled the 
sensitivity of the organism to changes in the Cu concentration in the 
PTM fraction. Experimental data demonstrated fluctuations in the GST 
activity (Fig. 2I–J and Figs. S1I-J, S2I-J, S3I-J) as well the LPO level 
(Fig. 2K-L and Figs. S1K-L, S2K-L, S3K-L) in Cu-exposed mussels. 
Although these fluctuations could not be completely covered, the dif
ference in their overall trend could be explained by the model (Fig. 2I-J- 
K-L and Figs. S1I-J-K-L, S2I-J-K-L, S3I-J-K-L). According to the results of 
model calibration, the GST activity responded more strongly to changes 
in the concentration of potentially toxic Cu than LPO (Table 1). A higher 
damage accrual rate constant for GST stimulation resulted in slight in
creases in the GST activity (Fig. 2I–J and Figs. S1I-J, S2I-J, S3I-J), 
compared to more stable LPO (Fig. 2K-L and Figs. S1K-L, S2K-L, S3K-L). 
Such differences were also seen in the measured changes of these two 
biomarkers during the exposure. The GST activity is indicative of the 
counteract response against oxidative stress-induced damages through 

Table 1 
Estimates (±error bound margin) for unknown parameters of the TK-TD model 
simulating chronic Cu toxicity at two exposure concentrations.  

Symbol Parameter Unit 25 μg/L Cu 50 μg/L 
Cu 

JmaxCD Maximum Cu uptake rate to 
the cellular debris 

μg/g/d 0.89 (±8.12) 

JmaxMAP Maximum Cu uptake rate to 
the metabolically available 
pool 

μg/g/d 6.20 (±45) 

LogKCuBL The affinity constant for the 
binding of Cu2+ to the Cu 
binding sites (in logarithm) 

L/mol 8.57 (±5.91) 

LogKNaBL The affinity constant for the 
binding of Na+ to the Cu 
binding sites (in logarithm) 

L/mol − 2.79 (±89) 

k12 The rate constant for Cu 
transport from the cellular 
debris to the metabolically 
available pool 

1/d 9.40.10− 5 

(±0.09) 
0.02 
(±0.11) 

k21 The rate constant for Cu 
transport from the 
metabolically available pool 
to the cellular debris 

1/d 0.04 
(±2.16) 

0.25 
(±2.82) 

kr The rate constant for Cu 
release from the binding with 
MTLP to the metabolically 
available fraction 

1/d 0.10 
(±1.12) 

0.01 
(±1.20) 

krD The reversible detoxification 
rate constant 

1/d 0.97 
(±1.28) 

0.92 
(±0.95) 

kiD The irreversible detoxification 
rate constant 

1/d 0.33 
(±1.92) 

0.10 
(±1.44) 

k45 The rate constant for 
incorporation of MTLP-bound 
Cu into the MRG 

1/d 0.13 
(±0.81) 

0.21 
(±1.05) 

ke,PTM The rate constant for Cu 
elimination from the 
potentially toxic metal pool 

1/d 0.80 
(±8.47) 

0.80 
(±11) 

kme The metabolism rate constant 1/d 0.08 
(±0.24) 

0.73 
(±1.03) 

ke,MRG The rate constant for Cu 
elimination from the MRG 

1/d 0.48 
(±2.70) 

0.92 
(±5.70) 

kacGST The damage accurate constant 
for GST activity 

Unit of 
GST/ 
(μg/g)/ 
d 

9.75 (±14) 

kreGST The damage recovery 
constant for GST activity 

1/d 0.15 (±0.34) 

kacLPO The damage accurate constant 
for LPO 

Unit of 
LPO/ 
(μg/g)/ 
d 

3.47 (±27) 

kreLPO The damage recovery 
constant for LPO 

1/d 1.10 (±9.29)  

T.T.Y. Le et al.                                                                                                                                                                                                                                  



Chemosphere 286 (2022) 131930

9

the conjugation with glutathione (Wang et al., 2012). Therefore, the 
stronger response in terms of the GST activity than the LPO level dem
onstrates the capacity of the Zebra mussel to limit oxidative 
stress-caused damages. In combination with the recovery of the anti
oxidant defence system, a slight increase in the GST activity prevented 
oxidative stress-induced damages as shown by the stability of the LPO 
level over time (Fig. 2K-L and Figs. S1K-L, S2K-L, S3K-L). These results 
proved that mechanisms of toxicity could be explained by the model, 
although the calibration results unraveled uncertainties inherent in the 
current approach for liking biomarker responses to the concentration of 
potentially toxic metal (Table 1). 

Although it has been suggested that metal toxicity is related to metal 
concentrations at sites of toxic action, it remains challenging to quantify 
or to estimate this predictor. In dynamic models developed previously 
for acute toxicity, adverse effects were assumed to occur when the up
take rate exceeds the combination of detoxification and elimination 
rates (Van Straalen et al., 2005; Rainbow, 2007; Luoma and Rainbow, 
2008; Casado-Martinez et al., 2010; Rainbow and Luoma, 2011a). 
However, Giguere et al. (2006) revealed that there is no threshold below 
which no metal accumulation in sensitive fractions occurs. In other 
words, metals are built up in sensitive fractions even when detoxifica
tion mechanisms are still able to sequester excess metals further. This is 
in accordance with the present study, as Cu was already found in the 
organelle and HSP fraction of mussels prior to the experiment. There
fore, it is evident that there was no threshold below which this metal 
could be successfully detoxified. 

4. Conclusions 

The TK-TD model developed in the present study is the first one that 
allows for delineating a whole exposure-response causality chain by 
integrating various factors. Specifically, the influence of water chemis
try was considered in simulating metal uptake as both the influence on 
metal availability (expressed by the free metal ion activity) and poten
tial competition between cations for uptake sites are accounted for. In 
addition, the integration of subcellular metal partitioning enables 
theoretical estimation of the metal concentration in the fraction of 
potentially toxic metal. Furthermore, this indicator was assumed to 
appropriately represent the concentration of metals at sites of toxic ac
tion and to be directly related to the biological responses. In such esti
mation, all various pathways for chelation of internalised metals by 
subcellular ligands in metabolism, detoxification, and elimination were 
taken into consideration. In the present study, the model was calibrated 
with simplified experimental conditions. However, its framework is 
theoretically applicable to other conditions, other aquatic organisms, 
and other metals as well. Further calibration is required to reduce un
certainties in model estimation, especially for the TD phase. The model 
should be validated with more environmentally relevant conditions, for 
example, with organic matter additions and with natural waters. 
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