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Abstract  

 

Triclosan (TCS) is an antimicrobial compound ubiquitously found in surface waters 

throughout the world. Although several studies have focused on the photochemical 

degradation of TCS, there is still limited knowledge about its environmental fate. In this 

study, we got molecular-level insights into the photochemical degradation of TCS. 

Significant stable carbon isotope fractionation was observed during photodegradation; 

different bond-cleavage reaction pathways under different photolytic conditions were 

characterized, using compound specific isotope analysis (CSIA). Photochemical modeling of 

TCS photodegradation showed that direct photolysis would be the main transformation 

pathway if pH > 7, even in presence of dissolved organic matter. Moreover, by use of 

ultrahigh resolution mass spectrometry, FT-ICR-MS, a broad and complex spectrum of 

organic by-products (some of which potentially toxic, as assessed by a quantitative structure-

activity relationship approach) were identified. A detailed reaction mechanism was 

developed on the basis of the detected compounds.  

 

Keywords:  triclosan; photodegradation; toxic products; stable carbon isotope; ultra-high 

resolution mass spectrometry. 

 

Capsule: TCS photo-transformation products were identified, and the concurrent bond-

cleavage reaction pathways under different photolytic conditions were characterized. 
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1. Introduction  

Triclosan (TCS) is an antimicrobial compound highly used in many common domestic 

products, including liquid and bar soaps, toothpaste, bathing foams and several detergents. 

As a high-volume household chemical, TCS is often found in wastewater treatment plants 

(WWTPs) and is ubiquitously spread in surface waters as well. Indeed, WWTPs do not 

achieve total removal and TCS is thus detected in rivers and streams at trace levels (Gautam 

et al., 2014; Zhao et al., 2013), with concentrations as high as 8×10−9 mol L−1 (Kolpin et al., 

2002). In lakes and rivers TCS can undergo photochemical transformation by both direct 

photolysis and indirect photolytic processes. The former is operational when TCS absorbs 

sunlight, reaches excited molecular states and undergoes chemical transformation as a 

consequence. In contrast, indirect photochemistry is generally accounted for by the 

production of reactive transient species upon sunlight absorption by photosensitizers, the 

main one being the naturally occurring chromophoric dissolved organic matter (CDOM). 

Light absorption by CDOM triggers the formation of both excited triplet states (3CDOM*) 

and reactive oxygen species (ROS), such as hydroxyl radicals (•OH) and singlet oxygen 

(1O2), which are able to react with TCS (Bianco et al., 2015). 

The direct photolysis of TCS has been shown to be an important transformation pathway 

leading to the formation of diverse potentially toxic compounds (Buth et al., 2011; Sanchez-

Prado et al., 2006), especially as far as the basic (anionic) TCS form is concerned (Bianco et 

al., 2015). The photodegradation of TCS is affected by humic acid (HA), which is an 

important fraction of the dissolved organic matter (DOM), and adds to the complexity of the 
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photochemistry conundrum (Vione and Scozzaro, 2019). Under irradiation, HA is able to 

generate a number of reactive transients such as ROS, triplet states, solvated electrons, and 

carbon-centered radicals (Aiken et al., 2011; al Housari et al., 2010; Holder-Sandrik, 2000; 

Zhang et al., 2011), which might be involved in TCS indirect phototransformation. However, 

despite an important number of studies focused on the photolysis rates and degradation 

products of TCS, several aspects of these processes are still unknown. 

Compound specific isotope analysis (CSIA) is a powerful tool to prove the occurrence of 

degradation processes as well as to elucidate bond-cleavage reaction pathways of organic 

contaminants (Hofstetter et al., 2008; Schmidt and Jochmann, 2012). This novel approach is 

based on the fact that, during a reaction following normal isotopic effects, light isotopes at 

reactive positions are preferentially consumed compared with the heavy ones. The advantage 

of the CSIA method is to identify reaction pathways by analyzing the isotopic composition 

of the parent compounds. So far, carbon has been the most frequently applied element for 

CSIA applications. Carbon-based CSIA has been applied to characterize biotic and abiotic 

reactions for a wide spectrum of organic contaminants, including chlorinated solvents 

(Blessing et al., 2009; Buchner et al., 2017; Sherwood Lollar et al., 2001), BTEX 

compounds (Jin and Rolle, 2014; Vogt et al., 2008; Vogt et al., 2016) and micropollutants 

(Elsner and Imfeld, 2016; Jin and Rolle, 2016). There is also an increasing number of recent 

CSIA studies focusing on the photolytic transformation of organic contaminants such as 

organophosphorus compounds (Wu et al., 2018), chlorobenzenes (Passeport et al., 2018), 

methyl-tert-butyl ether (MTBE, (Zhang et al., 2015), 4-chloroaniline (Ratti et al., 2015) and 

atrazine (Hartenbach et al., 2008). However, to the best of our knowledge, CSIA has not yet 
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been used to elucidate the reaction mechanisms of TCS photodegradation. Thus, it is unclear 

whether carbon CSIA can be potentially used as a tool to investigate TCS photochemistry, 

especially to characterize different bond-cleavage reaction pathways. Moreover, the 

influence of different photolytic conditions on the formation and accumulation of potentially 

toxic transformation intermediates is not completely understood. 

In this work, we assess the photodegradation mechanisms of TCS induced by simulated 

sunlight radiation. CSIA and Ultrahigh-Resolution Electrospray Ionization Fourier 

Transform Ion Cyclotron Resonance Mass Spectrometry (HR ESI FT-ICR-MS) are here used 

as novel instruments to evaluate the concurrent reaction pathways of TCS photodegradation. 

Specifically, we: i) investigate the kinetics of TCS photochemical degradation; ii) evaluate 

the stable carbon isotope fractionation associated with the photodegradation of TCS; iii) 

identify reaction by-products by means of FT-ICR-MS, and iv) develop a detailed reaction 

mechanism based on the detected compounds. 

The present mechanistic work focuses on the direct photolysis, while indirect 

phototransformation will be examined in future works. TCS undergoes an acid-base 

equilibrium (HTric � H+ + Tric−) with pKa ∼ 8.1 (Singer et al., 2003), and it has been 

proven that the direct photolysis of TCS is particularly important for its basic form (Tric−) 

and much less for the undissociated one (HTric) (Bianco et al., 2015). Therefore, 

experiments were here focused on the direct photolysis behavior of Tric− and were carried 

out in the pH interval 8.4-10.5, where the basic form prevails. However, because Tric− is 

much more photoactive than HTric, it contributes significantly to TCS photodegradation 

well below pH 8 (Bianco et al., 2015). Moreover, photoreactivity parameters are known for 
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both HTric and Tric−, which allows for photochemical modelling (Bianco et al., 2015). For 

these reasons, and to get insight into the environmental significance of the experimental 

findings, modelling was carried out in this work over a pH range that extended well beyond 

the conditions tested in the laboratory. 

 

2. Materials and methods 

 

2.1. Chemicals: 

Triclosan (5-chloro-2-(2,4-dichlorophenoxy)phenol, purity > 99.8%) and 

hexamethylbenzene (purity > 99.8%) were obtained from Dr. Ehrenstorfer (Germany). 

Humic acids were purchased from Sigma-Aldrich (Germany). Ethyl acetate (purity > 

99.8%), isooctane (purity > 99.8%) and methanol were supplied by Aladdin (Shanghai, 

China), Macklin (Shanghai, China) and Merck (Darmstadt, Germany), respectively. Solvents 

were all of HPLC grade (Merck & Co., Germany). Hydrochloric acid was of AR grade. The 

used buffer solution was made with NaHCO3 (purity > 99.0%) and Na2CO3 (purity > 99.5%), 

both purchased from CNW (Shanghai, China). All aqueous solutions were prepared using 

ultrapure water (18.2 MΩ cm−1, Sartorius, Germany). 

 

2.2. Experimental setup: 

A double-wall photoreactor with a volume of 130 cm3, made out of borosilicate glass as 

described in details (Mekic et al., 2018a), was used to assess the photochemical degradation 

of TCS. Briefly, the freshly prepared solution of 3.5 ·  10−5 mol L−1 TCS in ultra-pure water 



7 
 

(18.2 MΩ cm−1, Sartorius, Germany), containing 5 mg L−1 HA when relevant, was 

magnetically stirred during 12 h irradiation under equilibrium with air, but without O2 

addition. The temperature during all the experiments was held constant at 293 K by the use 

of a thermostatic bath (LAUDA ECO RE 630 GECO, Germany).  

A solar simulator (500 W high-pressure xenon lamp) was used to irradiate the prepared 

solution at two different pH values, pH 8.4 and pH 10.5, which were measured by 

pH/RDO/DO meter (ORION STAR A326, Thermo Scientific, USA). The infrared radiation, 

which might cause heating of the solution, was removed with a water filter, and a cutoff filter 

(300 nm ≤ λ ≤ 700 nm) was mounted on the exit beam to provide UV-Vis radiation, relevant 

to the lower atmosphere at the Earth’s surface. A calibrated spectroradiometer (Ocean Optics, 

USA) equipped with a linear-array CCD detector was used to measure the spectral irradiance 

of the solar simulator. The comparison between the spectral irradiance emitted by the solar 

simulator and the solar spectral irradiance obtained with the Tropospheric Ultraviolet and 

Visible (TUV) model (Madronich, 1987) is shown in Fig. S1 in the Supplementary Material, 

hereinafter SM. 

Twenty-mL aliquots were withdrawn from the reactor at scheduled irradiation times for 

further analysis. The measurement of UV-Vis spectra was performed immediately after 

sampling. The spectra of initial (0 h) and irradiated samples (12 h irradiation time) were 

recorded with a UV-Vis double-beam spectrophotometer (Shanghai Drawell Scientific, 

China) in quartz cuvettes with 1 cm optical path length (Mekic et al., 2019). All the 

photochemical experiments were carried out in duplicate.  
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2.3. Analytical approaches: 

2.3.1. Sample preparation 

Liquid-liquid extraction was performed on the water samples. Briefly, a 1 mL water aliquot 

was adjusted to pH 4 with concentrated hydrochloric acid to obtain TCS in its protonated 

form (Wu et al., 2019). Separate 3×3 mL aliquots of ethyl acetate were added, coupled with 

centrifugation (2000 rpm) for 10 min between each addition. The supernatant ethyl acetate 

fractions were then combined in a separate amber glass tube, evaporated to near dryness by 

nitrogen blowdown, and reconstituted in 1 mL iso-octane before being transferred to a 

sample vial. Five hundred nanograms of hexamethylbenzene (HMB) were added as internal 

standard prior to instrumental analysis.  

 

2.3.2. Concentration analysis 

TCS analysis was performed using a gas chromatograph-mass spectrometer (GCMS-

QP2010; Shimadzu, Kyoto, Japan), with a DB5-MS capillary column (30 m × 0.25 mm × 

0.25 µm; Agilent, Santa Clara, USA) in selected ion monitoring (SIM) mode. The mass 

spectrometer was operated in electron impact ionization (EI) mode with the ionization 

potential at 70 eV. The injected sample volume was 1 µL in splitless mode. The carrier gas 

was helium with a constant flow rate of 1.2 mL min−1. The temperature of inlet and ion 

source was maintained at 280oC and 230oC, respectively. The GC oven temperature started at 

80oC for 2 min and then increased to 280oC at a rate of 20oC min−1, holding for 5 min. The 

selected quantitative and qualitative ion fragments were m/z 218 and 288 for TCS, and m/z 

147 and 162 for HMB (see Fig. S3 in SM). The internal standard method was applied for 
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quantitative analysis. The linear regression coefficient of the calibration curve was at least 

0.9991.  

 

2.3.3. Compound-specific carbon isotope analysis 

Stable carbon isotope analysis was performed by gas chromatography, using a Trace GC 

Ultra connected through a GC-IsoLink to a Delta V Advantage isotope ratio mass 

spectrometer (Thermo Fisher Scientific, USA). The inlet temperature was 290°C. The 

samples were preconcentrated by about 20 times, and were then injected in splitless mode 

and separated by the same column as used in GCMS-QP2010. The GC oven temperature 

was also programmed in the same way as before. 

 

2.3.4. Analysis of the photodegradation products using FT-ICR-MS 

The fresh sample aliquots of photodegraded TCS were diluted 1:9 (by volume) with 

methanol, and further analyzed with a solariX XR FT-ICR-MS (Bruker Daltonik GmbH, 

Bremen, Germany) instrument. This instrument is equipped with a refrigerated, 9.4 T 

actively shielded superconducting magnet (Bruker Biospin, Wissembourg, France) and a 

Paracell analyzer cell. The obtained samples were ionized in the negative ion mode by ESI 

ion source (Bruker Daltonik GmbH, Bremen, Germany). The mass range of detection was 

set to m/z 150–1000, while ion accumulation time was set to 0.65 s (Mekic et al., 2018b). A 

total of 64 continuous 4M data FT-ICR transients were co-added to enhance the signal-to-

noise ratio and dynamic range (Jiang et al., 2014; Shi et al., 2012). Using a linear calibration, 

all the mass spectra were calibrated externally in the negative ion mode by use of arginine 
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clusters (Shi et al., 2012). The final spectrum was internally recalibrated with typical O2 

class species peaks, using quadratic calibration in DataAnalysis 4.4 (Bruker Daltonics) 

(Jiang et al., 2014; Shi et al., 2012). A typical mass-resolving power (m/Δm 50%, in which 

Δm50% is the magnitude of the mass spectral peak full width at half-maximum peak height) 

> 450,000 was achieved at m/z 319, with < 0.3 ppm absolute mass error. The data were 

processed by a well-described methodology (Jiang et al., 2014; Shi et al., 2012). 

 

2.4. Modeling Approaches  

2.4.1. Kinetic data treatment 

The time trend of TCS under irradiation followed pseudo-first order kinetics decay down to a 

plateau. The reason for this behavior may be the inhibition of photodegradation by the 

transformation intermediates, which could either compete with the parent compound for 

radiation absorption, or undergo back-transformation into the original compound. The 

resulting time trend can be fitted with a first-order kinetic equation with residual, of the form 

Ct/Co = 1 + A (e−kt − 1), where Ct is the concentration of TCS at the time t, Co its initial 

concentration, k the pseudo-first order transformation rate constant, while A defines the 

residual concentration Cr (Cr = Co (1 − A)). The initial rate of TCS degradation can be 

calculated as Ro = (dCt/dt)t=0 = k A Co.  

 

2.4.2. Photochemical modeling 

The phototransformation kinetics of TCS was modeled with the APEX software (Aqueous 

Photochemistry of Environmentally-occurring Xenobiotics), by assuming fair-weather, mid-
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latitude sunlight irradiation during the summer season, and depth and chemistry of water as 

suitable for surface-water environments. In this study, 0.1 mmol L−1 nitrate, 1 µmol L−1 

nitrite, 1 mmol L−1 alkalinity, dissolved organic carbon, DOC, in the range of 1 to 10 mgC 

L−1, and 5 m water depth were defined and input in the model (Bodrato and Vione, 2014). In 

addition to predicting the overall phototransformation kinetics, APEX is also able to assess 

the importance of the different photochemical pathways as a function of variable 

environmental conditions. The respective reaction rate constants of HTric (acidic TCS form) 

and Tric− (basic TCS form) with •OH (respectively, 5.4×109 and 1×1010 L mol−1 s−1), CO3
•− 

(4.2×107 L mol−1 s−1 for Tric−, −•+ 3COHTric
k  unknown but probably negligible), 1O2 (3×106 and 

1.1×108 L mol−1 s−1 for HTric and Tric−, respectively) and 3CDOM* (3.1×109 and 4.3×109 L 

mol−1 s−1 for HTric and Tric−, respectively), as well as the direct photolysis quantum yield 

(0.4, as a reasonable average value of the available data, without evidence of a pH trend) 

were used as APEX input data and taken from the literature (Bianco et al., 2015; Buth, 2009; 

Huang et al., 2018; Latch et al., 2005). Radiation absorption (absorbed photon flux 
x

a
P ) by x 

= HTric/Tric− and the main photosensitisers (x = CDOM, NO3
− and NO2

−) was computed by 

APEX taking into account competition for irradiance in a sunlight-absorbing mixture, 

according to a Lambert-Beer approach (Bodrato and Vione, 2014): 
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where y = HTric, Tric−, NO3
− or NO2

−, )(λ
CDOM

A  is the absorbance of CDOM and )(λyA  

the absorbance of the other relevant light-absorbing species. 

The modeled first-order photodegradation rate constants kHTric and kTric- are computed 

separately for the HTric and Tric− species, respectively, but it is also possible to determine 

the overall transformation rate constant of TCS, kTCS = kHTric αHTric + kTric- αTric-. Here, αHTric 

= [H+]∙([H+]+Ka)
−1 and αTric- = Ka∙([H

+]+Ka)
−1 are the respective molar fractions of HTric and 

Tric−, and Ka ∼ 10−8.1 (Singer et al., 2003). More information about photochemical modeling 

is available in the Supplementary Material (hereinafter SM). 

 

2.4.3. Evaluation of stable carbon isotope ratios  

The bulk stable carbon isotope ratios (R) are expressed by the ratio between 13C and 12C 

abundances. In order to correlate concentration of the target compound with stable isotopic 

ratios, the Rayleigh approach is applied. The enrichment factor εbulk can be obtained from the 

slope of the Rayleigh correlation (Rayleigh, 1896): 

 

                    
t t

bulk
0 0

ln ln
R C

R C
ε=                                  (3) 

 

where Rt and R0 represent isotope ratios at a specific time t and initial average isotopes ratio 

of contaminant, respectively. For instance, the enrichment factor of carbon isotopes can 

represent the extent of carbon isotope fractionation of a certain compound that occurs during 

degradation processes. Therefore, the enrichment factors can be experimentally determined. 

To further derive kinetic isotope effects at reactive positions, it is necessary to recover the 
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“dilution effects” by isotopes at non-reactive positions. The apparent kinetic isotope effect 

(AKIE) for a specific reaction pathway is calculated according to the following equation 

(Elsner et al., 2005): 

 

            
1 1

1 1+n /reactive position bulk

AKIE
xε ε

= ≈
+ ⋅

                    (4) 

 

where εbulk is the bulk carbon enrichment factor, n is the number of total carbon atoms in the 

molecule, and x is the number of carbon atoms located at reactive positions. 

 

2.4.4. In-silico toxicity assessment 

ECOSAR V2.0 software [Ecological Structure Activity Relationships (ECOSAR) Class 

Program] (Reuschenbach et al., 2008) was used to determine acute-toxicity parameters (LC50 

and EC50) and chronic toxicity values (ChV) to aquatic organisms. The software is free of 

charge and available on the web page of U.S. EPA (https://www.epa.gov/tsca-screening-

tools/ecological-structure-activity-relationships-ecosar-predictive-model) (Mayo-Bean, 

2012). The molecular structures can be entered into ECOSAR by means of a graphical 

interface, and the software derives toxicity by means of a structure-activity approach that 

takes into account the functional groups as well as the calculated physico-chemical 

properties of the compound. The tested molecules were both TCS and its identified 

transformation intermediates. The detailed information of this software is available in the 

SM.  
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3. Results and Discussion 

 

3.1. Reaction kinetics and HA effect on TCS direct photolysis 

Figure 1 shows that the addition of 5 mg L−1 HA inhibited the photodegradation of TCS at 

pH 10.5. Under these conditions, where Tric− is the prevalent TCS species (Singer et al., 

2003), HA lowered the initial TCS degradation rate by about 3.3 times. A first reason for HA 

to inhibit the direct photolysis of Tric− is competition for lamp irradiance between the two 

species, i.e., Tric− and HA. Considering that the absorption spectra of Tric− and HA overlap 

in the wavelength region where the lamp emits radiation (Fig. S1 in SM), it is possible to 

compute the extent of Tric− absorption inhibition carried out by HA.  It is possible to 

normalize p°(λ) as γλ = p°(λ) (p°max)
−1, where p°(λ) is the spectral photon flux density of the 

lamp received by the solution at the wavelength λ, and p°max is the maximum value of p°(λ). 

Then, the ratio ρ between the photon fluxes absorbed by Tric− alone in solution and in the 

presence of HA can be expressed as follows (Braslavsky et al., 2007): 
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where )(λ−Tric
A  and )(λHAA  are the absorbance values of, respectively, Tric− and HA at the 

concentrations used in the irradiation experiments, measured over an optical path length b = 

1 cm as per the spectrophotometric measurements. 
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Figure 1. TCS photodegradation profiles observed in different irradiation conditions (different pH values, 

presence or absence of HA). The error bounds represent the standard error of replicate measurements 

(semi-difference of the duplicate experimental data). 

 

In the photoreactor, the path traveled by light was considerably longer (b = 20 cm in Eq. 

(5)). The calculation yielded ρ = 0.6, which means that HA should decrease the value of Ro 

by approximately 40% due to irradiance competition.  

The actual inhibition carried out by HA on Tric− photodegradation was considerably higher 

than suggested by light-absorption calculations (the Tric− photodegradation rate was 70% 

lower in the presence of HA), thus an additional inhibition pathway can be reasonably 

assumed. The primary step in the direct photolysis of Tric− is known to be its transformation 

into a phenoxyl radical (Kliegman et al., 2013), which is a rather common step for phenolic 

compounds (Braslavsky et al., 2007; Net et al., 2009). The phenoxyl radical, Tric•, would be 
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destabilized by the electron-withdrawing nature of the three chlorine atoms occurring in its 

two aromatic rings, and it could thus be less stable than many phenoxy radicals deriving 

from the oxidation of electron-rich phenolic groups occurring in HA. Therefore, the HA 

phenolic moieties might be involved in the back-reduction of Tric• to Tric−. This 

phenomenon has already been described in the framework of the triplet-sensitized oxidation 

of contaminants, where natural organic matter may inhibit degradation by reducing the 

partially oxidized substrates back to the parent compounds (Leresche et al., 2016; Wenk and 

Canonica, 2012). Interestingly, similar species (e.g., phenoxy radicals) may be produced by 

different processes such as direct photolysis and triplet sensitization (Berto et al., 2016; Lu, 

2002). In this framework, in analogy with the anti-oxidant effect of organic matter in the 

context of triplet sensitization (Wenk and Canonica, 2012), and considering that different 

processes than the direct photolysis may also be operational for Tric− in HA solution, the 

first-order photodegradation rate constants of Tric− alone (
o

Tric
k − ) and in the presence of HA 

( HATric
k

,
− ) would be linked as follows: 

 

            

2/1

,

1

1

DOC

DOC
kk o

TricHATric

+

= −− ρξ
                       (6) 

 

where ξ is the fraction of Tric− undergoing direct photolysis upon irradiation in the presence 

of HA, ρ is given by Eq. (5), DOC is the value of the dissolved organic carbon accounted for 

by the natural organic matter (HA in the present case), and DOC1/2 measures the anti-oxidant 

effect of the organic matter (the lower is DOC1/2, the higher is the effect) (Wenk and 
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Canonica, 2012). To assess the value of DOC1/2 in the present case, the following 

considerations should be taken into account: (i) HA at the used concentration have DOC = 

0.75 mgC L−1; (ii) ρ = 0.6 takes into account the light-screening effect of HA (Eq. (5)); (iii) 

thanks to the results of a previous study (Bianco et al., 2015) we can expect that, in the 

presence of HA under our experimental conditions (DOC = 0.75 mgC L−1), the 

photochemical transformation of Tric− proceeds by 90% upon direct photolysis and by the 

remaining 10% upon triplet sensitization (reaction with HA triplet states, 3HA*), •OH and 

1O2 reaction (Bianco et al., 2015), thereby yielding ξ = 0.9; (iv) experimentally, one has 

HATric
k

,
−  = 0.3 

o

Tric
k − . On this basis, one gets DOC1/2 = 0.6±0.3 mgC L−1. Interestingly, this is 

very near the value estimated for the anionic form of sulfadiazine in the framework of triplet 

sensitization (Vione et al., 2018). 

 

3.2. Insights from photochemical modeling 

The APEX modeling of TCS photodegradation should take into account the antioxidant 

effect of organic matter on the direct photolysis as assessed in this work (note that APEX 

already considers by default the competition for irradiance between CDOM and 

xenobiotics). The most straightforward way to include the anti-oxidant effect into the 

simulations is to assume that it lowers by a factor ψ < 1 the direct photolysis quantum yield 

of TCS: 

 

                

2/1

1

1

DOC

DOC
o

TCS

o

TCSTCS

+

Φ=Φ=Φ ψ
                          (7) 
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where 
o

TCSΦ  = 0.4 is the direct photolysis quantum yield of TCS without other sources of 

organic matter (Latch et al., 2005; Buth et al., 2009), and TCSΦ  is the quantum yield at the 

given DOC value. 

From a mechanistic point of view, the anti-oxidant effect is likely caused by Tric• reduction. 

However, the same phenoxy radical Tric• is also the intermediate of HTric direct photolysis 

and of TCS (i.e., both HTric and Tric−) oxidation by 3CDOM* (Bianco et al., 2015). A 

similar effect is thus expected on the triplet-sensitized transformation process. Note that 

reaction (9) describes the overall stoichiometry of Tric− direct photolysis, but it is not 

necessarily suggesting mechanistic details with production of solvated e− (vide infra). 

 

 HTric + hν → Tric• + H•                     (8) 

 Tric− + hν → Tric• + e−   (or Tric− + hν + H2O → Tric• + H• + OH−)    (9) 

 HTric + 3CDOM* → Tric• + CDOM-H•          (10) 

 Tric− + 3CDOM* → Tric• + CDOM•−           (11) 

 

Therefore, in analogy with the direct photolysis, we assume that the factor ψ = (1 + 

DOC/DOC1/2)
−1 that describes the antioxidant effect on phototransformation also applies to 

the case of the reaction rates of HTric and Tric− with 3CDOM*. Based on this consideration 

and on the second-order reactions (10,11), we can write the relevant rates as follows: 

 

 *])[][( 3

*,** 333 CDOMHTrickRR
o

CDOMHTric

o

CDOMHTricCDOMHTric
ψψ ==

++   (12) 
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 *])[][( 3

*,** 333 CDOMTrickRR
o

CDOMTric

o

CDOMTricCDOMTric

−

++ −−− == ψψ    (13) 

 

The most straightforward way to include this anti-oxidant effect within the APEX software is 

to assume *,
3
CDOMHTric

k  = ψ 
o

CDOMHTric
k

*,3  and *,
3
CDOMTric

k −  = ψ 
o

CDOMTric
k

*,3− , which is 

equivalent to assuming that the anti-oxidant effect lowers the second-order reaction rate 

constants between HTric/Tric− and 3CDOM* (Vione et al., 2018). Therefore, the degradation 

rates were expressed as follows: 

 

 *][][ 3

*,* 33 CDOMHTrickR
CDOMHTricCDOMHTric

=
+      (14) 
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−

+ −− =      (15) 

 

Figure 2 reports the simulation results, highlighting the roles of the different photoprocesses 

(2a) and of the two species (HTric and Tric−, 2b) in TCS photodegradation as a function of 

pH, as well as the effect of the DOC on Tric− phototransformation (2c). It is apparent that 

TCS becomes increasingly photolabile as the pH increases (Figure 2a), due to the higher 

photolability of Tric− compared to HTric. This finding is in agreement with previous results 

that did not consider the back-reduction effect (Bianco et al., 2015). Tric− is noticeably very 

photolabile, with typical summer lifetimes ranging from one day at low DOC to a couple of 

weeks at high DOC (Figure 2c). Tric− photodegradation is inhibited by the presence of 

natural organic compounds that are quantified as the water DOC, coherently with our 

experimental findings according to which TCS phototransformation at pH 10.5 was inhibited 

by HA (Figure 1). 
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Figure 2. (A) Simulated pseudo-first order photodegradation rate constants of TCS (left Y-axis) and 

corresponding half-life times (fair-weather sunny days, right Y-axis), as a function of pH (DOC = 5 mgC 

L
−1

). The role of the different photochemical processes is highlighted with different colors. (B) Trend with 

pH of the relative roles of HTric and Tric
−
 in TCS photodegradation (DOC = 5 mgC L

−1
). (C) Tric

−
 

photodegradation kinetics as a function of the water DOC (d.p. = direct photolysis). Other conditions: 10
−4

 

mol L
−1

 nitrate, 10
−6

 mol L
−1

 nitrite, 10
−3

 mol L
−1

 alkalinity, 5 m water depth. The error bounds in (A) are 

the sigma-level model uncertainties on the values of the overall pseudo-first order degradation rate 

constants of TCS. 
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Reactions with •OH and 3CDOM* are predicted to play the main roles in the 

photodegradation of HTric, while the direct photolysis would predominate in the case of 

Tric−. Moreover, because Tric− is photodegraded faster than HTric, it would play the main 

role in TCS photodegradation at pH > 7-7.5 (Figure 2b). These pH conditions are very 

relevant to surface-water environments and, because the direct photolysis of Tric− is also 

known to produce toxic by-products (Bianco et al., 2015), we now focus our attention on the 

photodegradation of Tric− by direct photolysis. Further experiments are thus carried out at 

pH 8.4 and especially 10.5, where Tric− strongly prevails. At pH 10.5, one is confident that 

only the behavior of the basic form is studied. 

 

3.3. Molecular composition by ultra-high resolution mass spectrometry 

The analysis performed by FT-ICR-MS revealed that the molecular composition of the 

products formed upon 12 hours of TCS irradiation was very complex (see Fig. S5 in the 

SM). The iso-abundance plot of DBE (double-bond equivalent, namely the number of double 

bonds plus rings present in the organic compounds) versus carbon numbers for the detected 

CaHbOcCld species in this work is presented in Fig. S6.  

The commonly used way for the visualization and interpretation of high resolution-mass 

spectrometry (HR-MS) data is the van Krevelen diagram, which presents the H/C ratio as a 

function of O/C. This diagram is a useful tool to outline the compositional characteristics of 

the identified high-molecular weight compounds, which differ in chemical mass building 

increments. However, in the typical van Krevelen diagram (H/C vs. O/C) (Mekic et al., 

2018b) the relevant classes of compounds, based on ions like CaHbOcCld
−, are located very 
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close together and it is complicated to distinguish the mass increments. Therefore, in order to 

focus on the Cl component of the CaHbOcCld compounds, we used a modified version of the 

van Krevelen diagram, obtained by plotting the Cl/C ratio versus O/C (Figure 3).  

 

Figure 3. van Krevelen diagram, illustrating the compounds class of CaHbOcCld produced upon 

photodegradation of TCS in two different conditions; A) pH 10.5 and B) pH 8.4. The FT-ICR-MS data are 

scanned in negative mode. 

 

 

In this Cl-based van Krevelen diagram, certain mechanistic patterns become evident and the 
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CaHbOcCld compounds can be identified. There is a series of compounds that contain an 

unchanged number of Cl atoms and differ by different mass units (Table S1). For example, 

with the addition of CH2O3, the DBE value remains unchanged indicating that the number of 

rings and double bonds does not change in the molecule and that, therefore, the addition of 

this block increment occurs only through single bonds (Altieri et al., 2009). The same 

applies for the addition of other identified block increments including C3H6O, C2H4O, and 

CH2O (Table S1). These patterns suggest that some of the detected CaHbOcCld compounds 

could be formed through oligomerization reactions (Scheme 1, vide infra) initiated by the 

light-induced degradation of TCS.  

 

3.4. Reaction mechanism based on the detected by-products 

Based on the compounds detected by FT-ICR-MS analysis, the detailed reaction pathways 

were developed and they are depicted in Scheme 1. We suggest that TCS undergoes initial 

phototransformation into four main by-products, namely 2,4-dichlorophenol, 4-

chlorocatechol, 3-chlorophenol and 1,3-dichlorobenzene.  

Hydrogen-bond complexes between TCS and other molecules could account for several 

recorded m/z signals. In particular, the m/z signal 574.9 is likely accounted for by a 

TCS+TCS complex, m/z 430.9 by TCS+4-chlorocatechol, and m/z 448.9 by TCS+2,4-

dichlorophenol. The m/z 540.9 compound might also derive from hydrogen-bond 

complexation, as it could be generated by the interaction between m/z 412.9 (see later its 

formation) and 3-chlorophenol. 
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Scheme 1. Proposed reaction mechanism for light-induced degradation of TCS at pH 10.5. The short dashed lines represent hydrogen bonds between molecules.
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The formation of such hydrogen bonded complexes is commonly observed in ESI 

mass spectra (Pan, 2008). Concerning actual molecules, TCS might form a product 

with 3-chlorophenol (m/z 378.9) by releasing one HCl molecule. With subsequent 

addition of 4-chlorocatechol, m/z 536.9 could be produced by dehydration (- H2O). 

The formation of the high-molecular weight product m/z 538.9 could be ascribed to 

radical-initiated reactions between 3-chlorophenoxyl radical and TCS, forming a 

species with m/z 412.9, followed by addition of 4-chlorocathecol and HCl loss. 

Similarly, the reaction between TCS and two 4-chlorocatecholyl radicals followed by 

HCl release could account for the m/z 536.9 signal. The HCl loss is in agreement with 

stable carbon isotope fractionation analysis, which suggests that C-Cl cleavage is 

favorable (see the next section).  

The occurrence of TCS oligomerization processes leading to the formation of high-

molecular weight compounds is consistent with the time evolution of the TCS UV-Vis 

absorption spectra, which evolve from molecular bands into an exponential-like 

continuum (see Fig. S3). Such a behavior has already been reported (Vione et al., 

2019) and seems to be typical of oligomerization processes (De Laurentiis et al., 

2013b). 

The potential toxicity of the transformation intermediates was tentatively assessed by 

a quantitative structure-activity relationship approach (ECOSAR software; more 

detailed information and full data are available in Table S3 and associated text). The 

parent TCS is predicted to be more toxic toward fish and crustaceans than to algae, 

while the monoaromatic transformation intermediates should be consistently less 
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toxic than TCS. In contrast, a significant toxicity increase is predicted for the 

intermediates having three to four aromatic rings that, like TCS, should be more toxic 

to fish and crustaceans than to algae. 

Among the transformation intermediates, the occurrence of dioxin-like compounds is 

also concerning. For example, the formation of 2,8-dichlorodibenzo-p-dioxin was 

identified by the use of GC-MS (see SM), which is in good agreement with previous 

studies (Chen et al., 2008; Constantin et al., 2018; Latch et al., 2005; Lores et al., 

2005). The identified dioxin is likely to be less toxic to aquatic organisms than the 

intermediates with 3 or 4 aromatic rings, but toxicity to mammals could be an issue, 

and even to fish if the detoxification metabolism is blocked (Sijm and Opperhuizen, 

1988). 

 

3.5. Bond-cleavage reaction pathways and stable carbon isotope fractionation 

Influence of pH: As discussed above, the initial photolysis rate of TSC was higher at 

pH 10.5 (7.4×10−9 mol L−1 s−1) than at pH 8.4 (4.0×10−9 mol L−1 s−1). At the higher pH 

value, TCS is fully deprotonated as Tric− in aqueous solution. In addition to enhancing 

photodegradation, higher pH also resulted in a higher enrichment factor εbulk (see Eq. 

(3)), -3.48‰, in comparison with the experiment at pH 8.4 (-1.74‰). The apparent 

kinetic isotope effects (AKIEs, see Eq. (4)) were derived, too, and they are 

summarized in Table 2. The AKIEs were 1.044 and 1.022 for pH 10.5 and pH 8.4, 

respectively. AKIE at pH 8.4 was very close to the theoretical carbon kinetic isotope 

effect (1.021) calculated for C-H bond cleavage following Streitwieser Semiclassical 

theory (Cooket al. 1991) (see Table S2 in SM), whereas the AKIE obtained at pH 
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10.5 was lower than the theoretical values for the bond cleavage of C-Cl (1.057) and 

C-O (1.061). These results suggest that different fractions of bond-cleavage reaction 

pathways occurred at different pH values. Specifically, at pH 8.4 the oligomerization 

of TCS initiated by C-H bond breaking is predicted to be the predominant pathway. At 

pH 10.4, a much higher carbon AKIE value (1.044) suggests that the pathways 

associated with C-Cl and C-O bond cleavage are more favorable, therefore forming 

chlorinated phenols and other less chlorinated compounds as main reaction by-

products (see Scheme 1).  

Different initial TCS concentration: Significant carbon isotope fractionation 

occurred at different initial TCS concentrations, including 5 mgL−1, 10 mgL−1, and 30 

mgL−1. Different enrichment factors (ε), ranging from -4.48‰ to -2.59‰, were 

obtained in the Rayleigh plot (see Fig. 4).  

As shown in Table 1, the AKIE values were much higher at the lower TCS 

concentrations (C0). In these conditions, the reaction pathways associated with C-Cl 

as well as C-O bonds breaking should prevail. These pathways can account for the 

formation of monoaromatic chlorinated species, sometimes with fewer chlorine atoms 

compared to the original TCS (see Scheme 1). However, a much smaller AKIE value 

was obtained at 30 mgL−1, and this value is close to the theoretical value for C-H bond 

breaking (1.021).  
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Figure 4. Stable carbon isotope fractionation during TCS photodegradation under simulated 

sunlight. Effect of different pH values (a), initial TCS concentrations (b) and humic acid 

addition (c) on the stable carbon isotope ratios of TCS. Error bars represent the 95% 

confidence intervals. The time trend of carbon isotope ratios is available in the SM. 
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Influence of HA: Although HA inhibited TCS photodegradation, which is in 

agreement with previous literature reports (Tixier et al., 2002), it is unclear whether or 

not it can also affect the reaction mechanism. As shown in Fig. 4, a smaller extent of 

TCS carbon isotope fractionation was observed in the presence of HA. This might be 

due to the HA-induced inhibition effects. However, very similar AKIE values were 

obtained with and without HA (see Table 1), thereby suggesting that HA is unlikely to 

affect much the concurrent photoreaction pathways other than by slowing their 

kinetics down. Indeed, TCS direct photolysis is expected to strongly prevail over 

photosensitized processes that could be triggered by HA at pH 10.5 (see Figure 2a). 

 

 

Table 1. Enrichment factor (εc) and AKIEC values in the photodegradation of TCS. 

 

Experiment C0(mg L
−−−−1

) pH εc(‰)  AKIEC 

1 10 8.4 -1.74 ± 0.25 1.022 ± 0.003 

2 10 10.5 -3.48 ± 0.27 1.044 ± 0.004 

3 30 10.5 -2.59 ± 0.16 1.032 ± 0.002  

4 5 10.5 -4.48 ± 0.58 1.057 ± 0.008  

5 10 (+ HA) 10.5 -3.30 ± 0.11 1.041 ± 0.001 

 

 

It is interesting to observe that the TCS oligomerization pathways are likely to involve 

phenoxy radicals, as is typical of phenolic compounds (De Laurentiis et al., 2013b). 

However, they seem also to be related to C-H bond breaking, as observed in the 

experiments with 30 mgL−1 TCS, where the formation of oligomers was most 

enhanced. The photolysis of undissociated (neutral) phenols under UVA irradiation 
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has been shown by laser flash photolysis experiments to proceed through the 

homolytic breaking of the phenolic O-H bond, to produce the corresponding phenoxy 

radicals (De Laurentiis et al., 2013a). The release of a hydrogen atom (H•) upon 

irradiation cannot be detected by laser flash photolysis (differently from solvated 

electrons), due to poor radiation absorption by H•. 

As far as the basic forms of phenols (phenolates, aka phenoxides) are concerned, there 

is evidence that UVC irradiation causes photoionization. Indeed, the generated 

solvated electrons have been detected with the laser flash photolysis technique. In this 

case, photoionization yields phenoxy radicals from phenolates (Zhao et al., 2010). In 

contrast, there is evidence against the formation of aquated electrons in the case of the 

UVA irradiation of nitrophenolates (Barsotti et al., 2017). It is quite puzzling to 

account for the formation of phenoxy radicals from phenolates without invoking 

photoionization, but the present results obtained with Tric− suggest an interesting way 

out of the problem. If a C-H bond is broken with production of H• that escapes 

detection, and is thus in agreement with the available laser flash photolysis data, the 

lone electron on the aromatic moiety could migrate to the phenoxide oxygen where it 

is stabilized. The resulting negative charge on the ring C atom could be compensated 

for by protonation in aqueous solution. The proposed reaction pathway is depicted in 

Scheme 2, and it accounts for the formation of a phenoxy radical via C-H bond 

breaking.  
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Scheme 2 Proposed photoreaction pathway for the formation of a phenoxy radical from Tric
−
, 

triggered by an initial C-H bond breaking. 

 

 

4. Conclusions 

We obtained molecular-level insights into the photochemical degradation of TCS in 

different conditions. The TCS photodegradation kinetics was influenced by 

parameters such as initial concentration, pH and presence of humic acid. In particular, 

humic acid inhibited TCS photodegradation because of light-absorption competition 

and (probably) also back-reduction effects. Moreover, photochemical modeling 

showed that direct photolysis should be the main Tric− photodegradation pathway in 

surface waters, which is in good agreement with the present experimental findings. In 

addition, significant stable carbon isotope fractionation was observed in all the 

experiments, indicating cleavage of different chemical bonds by direct photolysis. The 

AKIEs values, determined for each experiment, suggest that pH and initial TCS 

concentration might affect the reaction mechanisms and form specific products. A 

broad and complex spectrum of organic products, some of them potentially toxic, 

were identified by FT-ICR-MS.  
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