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A B S T R A C T   

Estuarine systems are vulnerable to metals stress, such as copper (Cu). Thus, the development of applicable tools 
to improve routine monitoring programs is increasingly necessary. In the present work a comprehensive 
Ecological Risk Assessment (ERA) was implemented by coupling the Measured Environmental Concentration 
(MEC), based on labile Cu (DGT) and the total dissolved Cu concentration. Additionally, toxicity data related to 
site-specific Predicted No Effect Concentration (PNEC) were used. As case study, estuarine areas were selected on 
Brazilian coast, previously reported as Cu release in shipyard areas. The results indicated an increase in con
centrations of dissolved and labile Cu during the application of antifouling paints. In locations where more 
vessels in maintenance were found, the concentration of Cu-DGT exceeded the PNEC value (0.16 μg.L− 1) and 
represented an important part of the total dissolved fraction (>93 %). The MEC/PNEC quotients, showed that 
shipyard areas represent a high ecological risk. Thus, it is highlighted the need for site-specific environmental 
assessments to manage complex ecosystems and set in environmental legislation. Consequently, the novel 
coupling of DGT technique and the derivation of a site-specific PNEC represent an easily applicable tool as an 
alternative to classical ERAs.   

1. Introduction 

Currently, trace metals contamination has received great attention 
from different research areas worldwide (Cheng et al., 2019; Dar et al., 
2019; Rai et al., 2019). This is mainly related to their high persistence 
and lack of biodegradability, which cause metals to be easily enriched in 
aquatic environments and be accumulated in the organisms (Liu et al., 
2019). Such elements can also affect human health when their concen
trations in the environment reach critic levels (Nour et al., 2019). 

The problem described is aggravated in the estuarine and coastal en
vironments, because of the influence of variations in physicochemical and 
geochemical parameters, as well as a strong anthropic influence (Choi 
et al., 2012; Machado et al., 2016). Consequently, the biodiversity of these 
areas is affected by trace metals excess (Seeliger, 2001; Eisler, 2010). 
Nevertheless, quantifying the total dissolved concentration of these 
metals in the environment (required by regulation frameworks) does not 
necessarily indicate the real degree of toxicity that these generate. 

Some anthropic sources of trace metals, specifically shipyard areas, 
include vessel repair and maintenance works, within those that stand 
out hull scraping of organisms (biofouling), surfaces sanding and coat
ings with anti-corrosion and antifouling paints (Turner, 2010; Choi 
et al., 2014). It is known that many antifouling paints of new generation 
include in their composition copper (Cu) and zinc (Zn) as the main 
biocides (Turner et al., 2009; Turner, 2010). Depending on the anti
fouling paint, Cu can be representing between 40–60 % of the total 
composition (Turner, 2010). 

Cu has a great biological importance, mainly because it plays an 
essential role in the physiological and metabolic processes of organisms 
(Eisler, 2010; Braz-Mota et al., 2018). However, exposure to high con
centrations of Cu can generate important negative effects on organisms 
(De Boeck et al., 2006; Choi et al., 2012; Sappal et al., 2015). Addi
tionally, these effects are aggravated when Cu is in their labile fraction, 
which is more easily taken up by organisms. However, even though the 
labile fraction represents the most readily potential available form, it is 
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not able to indicate by itself if the biological community is negatively 
affected by the presence of a metallic ion. Therefore, it is important to 
study the metal labile fraction and its relationship with the ecosystem. 

In this sense, it is necessary to establish tools applicable in routine 
programs that allow better monitoring and management of aquatic 
ecosystems. Thus, the developing of a comprehensive Ecological Risk 
Assessment (ERA) – “process that evaluates the likelihood that adverse 
ecological effects may occur or are occurring as a result of exposure to 
one or more stressors” (US EPA, 2008) - as an applicable tool to a 
particular system could address this problem. In the planning and con
duction of an ERA, the coupling between exposure data and toxicity data 
of a given contaminant constitutes an important step. 

The exposure data can be obtained through the measurement of the 
analyte of interest in this system, generating the Measured Environ
mental Concentration (MEC). While toxicity data from representative 
species can be collected to derive a Predicted Non-Effect Concentration 
(PNEC) - defined as the concentration below which an unacceptable 
effect on exposed organisms is unlikely to occur (ECB, 2003; Finizio and 
Vighu, 2014) – representative of the present biological community (ECB, 
2003; Finizio and Vighu, 2014). According to Finizio and Vighu (2014), 
there is no established criterion for PNEC determination. However, in 
literature, most of the PNEC is derived based on populational endpoints, 
such as survival, development, and growth of organisms (Jin et al., 
2014). 

In the case of the MEC, it is expected that the use of the labile fraction 
will provide more realistic results in terms of exposure data; despite that, 
the total dissolved fraction is commonly used in this variable. In this 
sense, the technique of Diffusive Gradients in Thin films (DGT), based on 
a passive sampling, provides an in situ quantitative measurement, time- 
integrated and with good resolution of the labile fraction (Zhang and 
Davison, 1995; Davison and Zhang, 2012). Moreover, this technique has 
been successfully applied in estuarine environments with variable hy
drodynamic and complex physicochemical conditions, as well as in lo
cations with continuous and localized trace metal sources 
(Wallner-Kersanach et al., 2009; Costa and Wallner-Kersanach, 2013; 
Valero et al., 2020). In the same way, the DGT technique produces 
excellent results in the prediction of bioavailability of metals and good 
interpretations of exposure effects (Amato et al., 2018; Paller et al., 
2019; Wang et al., 2019). 

The Brazilian coastal areas are not exempt from the described 
problem. These allow exemplifying a problem of global interest, since it 
presents innumerable sources of high-impact contamination by metals, 
such as shipyards, which release Cu into the estuarine waters (Costa and 
Wallner-Kersanach, 2013; Martins and Monteiro-Neto, 2018). In Brazil, 
there is no legal control of the waste generated by antifouling paints 
based on Cu (40–60 %) and Zn (15–30 %) (Paradas and Amado Filho, 
2007; Costa et al., 2016). In addition, the established legislation in 
Brazil, as well in other parts of the world, usually does not consider the 
labile fraction of trace metals for regulatory purposes. Finally, it is 
important to highlight that ERAs are not used for the establishment or 
refinement of quality criteria in Brazilian coastal environments, despite 
these areas shelter a wide range of species representing different taxa 
belonging to different trophic levels and covering many native species. 

The main objective of this study is to generate a comprehensive ERA 
by coupling the DGT technique and site-specific PNEC and showing its 
application in aquatic areas highly impacted by metals pollution. 
Consequently, it was evaluated the true degree of impact of the Cu 
released by a hotspot (shipyard areas) and its implications for aquatic 
species that occur naturally in the ecosystem. For this purpose, different 
estuarine areas were selected along the southeast and southern coast of 
Brazil, specifically in the states of Rio de Janeiro, Santa Catarina and Rio 
Grande do Sul. The PNEC was derived for species that naturally occur in 
these areas. 

2. Materials and methods 

2.1. Study area 

The determination of the MEC of Cu (exposure data) was determined 
to both the total dissolved (Cu-Diss) and the labile fraction (Cu-DGT) in 
water column. Three important port areas of southeastern and southern 
Brazil were selected, on the intertidal area of estuaries in the states of 
Rio de Janeiro (RJ), Santa Catarina (SC) and Rio Grande do Sul (RS) 
(Fig. 1). 

In the southeastern region of the country, samplings were carried out 
in the Guanabara Bay (Niterói, RJ) at the TM Shipyard (TMS; 
22◦52′32′′S, 43◦06′59′′W), categorized as a medium-sized shipyard 
(1500 m2), and located at the Conceição Island. This bay (384 km2), 
known as the most prominent in Brazil, has an average depth of 5.7 m in 
their margins and up to 30 m in the inner channel, and the hydrody
namic is mainly dominated by tidal currents (Amador, 1997). The 
Guanabara Bay shelters different mangrove species, more than 100 plant 
taxa, more than 68 species of birds (including endangered species), and 
several groups of crustaceans (Kjerfve et al., 2001). In spite of its 
ecological importance, the bay has proven degradation of its waters 
because of direct discharge of sewage, as well as supersaturation of 
dissolved oxygen in the surface, while anoxic conditions are found in the 
water near the bottom (Borges et al., 2009; Aguiar et al., 2011). 

In South Brazil, samplings took place in the Itajaí-Açu River, state of 
Santa Catarina, and in the Patos Lagoon estuary, in the state of Rio 
Grande do Sul. The samplings in the Itajaí-Açu River (SC) were per
formed at the P Shipyard (PS; 26◦51′55′′S, 48◦42′23′′W), a medium to 
large-sized shipyard (2589 m2) located in the Volta Grande neighbor
hood of Navegantes city. The Itajaí-Açu river stands out as one of the 
largest national fishing centers and the main sea route (national and 
international) of Santa Catarina state, as well as it represents 90 % of the 
freshwater flow to the estuary (Schettini, 2002; Pereira-Filho et al., 
2010; Frena et al., 2016). It presents semidiurnal micro-tidal regime, 
influenced by atmospheric pressure and shear stress and intertidal mean 
depths from 5 to 8 m (Schettini, 2002). Besides the economic impor
tance, the system has an important ecological role for the regional 
coastal zone, presenting a great trophic complexity (Schettini, 2002; 
Vivan et al., 2009). However, the port activities and the direct sewage 
discharge, solid waste disposal, and industrial effluents (Pereira-Filho 
et al., 2003; Poleza et al., 2014) may represent a threat to the ecosystem. 

In the southernmost region of the country, samplings were carried 
out in three areas: two medium-sized shipyards and a reference area. All 
areas are located in the Patos Lagoon estuary in the vicinities of Rio 
Grande city (RG). GFF Shipyard (GFFS; 32◦01′48′′S, 52◦04′57′′W) in the 
Porto Velho area has over one century of operation. Whereas the S 
Shipyard (SS; 32◦08′44′′S, 52◦06′8′′W) is located in the Super Porto area 
and has more than 20 years of operation. The reference area at the 
Marinheiros Island (MI; 32◦00′52′′S, 52◦07′52′′W) was selected because 
there are no shipyards in the area. The Patos Lagoon (10,360 km2) is 
defined as the largest choked type coastal lagoon in the world and is 
notably affected by phenomena such as "El Niño" and "La Niña" (Kjerfve, 
1994). It is characterized by complex hydrodynamic, which is mainly 
driven by a NE-SW winds regime and fluvial discharge (Möller et al., 
1996; Marreto et al., 2017). The estuary intertidal areas receive 
anthropogenic effluents, including urban, industrial, and agricultural 
sewage (Odebrecht et al., 2010; Wallner-Kersanach et al., 2016). Also, 
the system exhibits a wide variety of flora and fauna, and its complex 
hydrodynamics provides, in the periods of greater seawater intrusion, an 
increase in the biodiversity of the aquatic communities (Seeliger, 2001; 
Rosa and Bemvenuti, 2005). 

2.2. DGTs assembly 

All materials used for sample treatment were previously washed 
(>24 h) with 10 % (v/v) nitric acid (HNO3; Merck) p.a. solution and 
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rinsed with ultrapure water (Milli-Q®, 18.2 MΩ cm). Suprapur® nitric 
acid (HNO3; Merck) was used for all analyses. All other reagents were of 
analytical grade (high purity). 

The gels required for the Cu determination as well as the assembly of 
the DGT devices were prepared at the Hydrochemistry Laboratory of the 
Federal University of Rio Grande-FURG. The plastic holders of the DGT 
devices were obtained from DGT Research Ltd. (Lancaster, UK; 
https://www.dgtresearch.com/). The devices were assembled according 
to Zhang and Davison (1995). Over the base of the plastic holders were 
placed: (a) a binding gel which retains the analyte (0.5 mm thick); (b) a 
diffusive layer of polyacrylamide hydrogel (0.8 mm thick), responsible 
for the entrance only of free metal cations, inorganic complexes and 
some small organic metal complexes (<0.45 μm); and (c) a cellulose 
nitrate filter (0.45 μm porosity, 47 mm diameter; Sartorius, Germany) 
which allows only the metals dissolved fraction from the waterbody to 
pass into the sampler. The binding gel was prepared with acrylamide (99 
%), cross-linker agarose (2 %), Milli-Q® water, TEMED (N, N, N ’, 
N’-tetramethylenediamine, 99 %), ammonium persulfate (10 %) and 
Chelex-100 resin in sodium form, according to Zhang and Davison 
(1995) and Odzak et al. (2002). The polyacrylamide hydrogel was 
prepared with acrylamide (99 %), cross-linker agarose (2 %), Milli-Q® 
water and TEMED (N, N, N ’, N’-tetramethylenediamine, 99 %). 

2.3. Sample collection 

The sample collections and DGT devices deployment were performed 
during two sampling periods in 2018: (S1) between February and March, 
corresponding to the dry season in RG and rainy season in RJ and SC; 

and (S2) between July and September, which represent the rainy season 
in RG and dry season in the other sampling areas. 

In every study area (TMS, PS, GFFS, SS, and MI), in the same periods, 
DGT devices were deployed in situ for a period of 48 h, for further 
quantification of the Cu labile fraction (Cu-DGT). Units were placed 
approximately at the middle depth of the water column (the mean depth 
of the sites ranged from 1.1 to 2.0 m), using a deployment system 
(developed in the Laboratory of Hydrochemistry of FURG). The latter 
consists of a polycarbonate plastic plate with a plastic net attached to a 
silk rope, weighted at the bottom end to avoid drift and buoyancy. At 
every sampling period, time (seconds) and temperature were precisely 
controlled (Datalogger, OnSet) during the DGT devices deployment. 
Besides, the water column parameters salinity and conductivity (WTW, 
Model 315i), pH (Toledo, Model DM) and turbidity (Digimed, DM-TU) 
were measured at the beginning and the end of each sampling. After 
the deployment periods (48 h), DGT devices were then removed from 
the water, placed individually in a ziplock® plastic bag, and transported 
refrigerated to the laboratory. In the first deployment period, 5 DGT 
devices (n = 25) were deployed in each studied area (one deployment 
system per shipyard). Whilst in the second deployment period, 9 DGT 
devices (n = 45) were used in each area (three deployment systems in 
three locations of each shipyard). For every deployment, two additional 
DGT devices were randomly selected in the field as analytical blanks, but 
not deployed in the water column. In addition to the DGT deployment, 
water samples were collected in plastic bottles (previously washed with 
acid solution), refrigerated and transported to the laboratory for further 
analysis of the Cu-Diss fraction. 

Fig. 1. Study sites in estuarine areas in the southeastern and southern coast of Brazil: A) TM Shipyard (TMS) located at the Conceição Island in Guanabara Bay (RJ); 
B) P Shipyard (PS) in the margins of the Itajaí-Açu River (SC); C) GFF Shipyard (GFFS), S Shipyard (SS) and Reference Area (Marinheiros Island, MI) in Rio Grande 
city, located in the southern region of the Patos Lagoon estuary (RS). Satellite images were extracted from Google Earth® in July 2019. 
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2.4. Chemical analysis 

2.4.1. Copper labile (Cu-DGT) 
At the laboratory, the DGT devices were opened and the binding gels 

were eluted in 1 mL of Suprapur® HNO3 (Merck) according to Zhang 
and Davison (1995). Subsequently, those were stored under refrigera
tion (4 ◦C) for at least 24 h before analysis by Graphite Furnace Atomic 
Absorption Spectroscopy (GF-AAS; Shimadzu, model AA-7000). 

The metal mass retained on the binding gel (M) was calculated as 
described by Zhang and Davison (1995; Eq. 1), considering the con
centration measured in the equipment (Ce), the volume of acid from the 
elution (VHNO3 ), the volume of the gel (Vgel), and the Cu elution factor 
(fe): 

M =
Ce (VHNO3 + Vgel)

fe
(1) 

The Cu-DGT concentration (Eq. 2) was calculated from M, total gels 
and filter thickness (Δg), Cu2+ diffusion coefficient retained in the 
diffusive gel (D), deployment time (t) and the window deployment area 
(A): 

CuDGT =
MΔg
DtA

(2) 

The thickness of the binding gel and the diffusive gel was confirmed 
using a digital microscope (1000x); and the Cu2+ diffusion coefficient 
was obtained from DGT Research Ltd. (www.dgtresearch.com), 
considering the average temperature registered in situ at every DGT 
deployment. 

2.4.2. Total dissolved copper (Cu-Diss) 
Samples for the determination of Cu-Diss fraction were filtered with 

cellulose nitrate filters (0.45 μm, 47 mm in diameter, Millipore®) pre
viously washed in acid solution, and then pre-concentrated through 
their passage in a Chelex-100 micro-column (Bowles et al., 2006). 
Cu-Diss analyses were conducted by Inductively Coupled Plasma Optical 
Emission Spectrometry (ICP-OES; Perkin-Elmer, model DV 2400). 

For the analysis of both Cu fractions (DGT and Diss), the analytical 
control was performed using River Water Certified Reference Material 
(SLSR-6; National Research Council, Canada). The method accuracy for 
the Cu-Diss analysis had a variation below ±7%; while for Cu-DGT it was 
below ±15 %. The detection limits (DL) were determined by measuring 
a sample 10 times (3σ, with a significance level of 5%). The DL for Cu- 
DGT was 0.06 and 0.19 μg.L− 1 for S1 and S2 sampling periods, respec
tively; whereas, the DL for Cu-Diss was 0.40 μg.L− 1. 

2.5. Toxicity data 

Copper toxicity data for aquatic organisms were obtained consid
ering only natural species on the Brazilian coast, and tests performed 
under estuarine conditions. These variables were considered with the 
objective of obtaining data that represent several niches of the ecosys
tems that represent the estuarine environment of the southeast and 
southern region of Brazil. The toxicity data were collected after an 
exploratory examination, where a preliminary data review was carried 
out in the large Science Direct, Springer, Wiley, and PubMed databases. 

Following, seven journals were chosen to develop data collection, 
since they have a greater number of published Cu toxicity data: Aquatic 
Toxicology, Archives of Environmental Contamination and Toxicology, 
Bulletin of Environmental Contamination and Toxicology, Chemosphere, 
Ecotoxicology and Environmental Safety, Environmental Toxicology and 
Chemistry, Science of the Total Environment. A total of 65 peer-reviewed 
publications (2000–2019) were considered, generating a database of 
410 toxicity tests covering 51 species. This compiled ecotoxicological 
dataset (n = 410) consisted of 3.17 % determined the No Observed Effect 
Concentration (NOEC) and Lowest Observed Effect Concentration 
(LOEC); 27.10 % Effect Concentration (ECx); 66.10 % Lethal 

Concentration (LCx); the remaining 3.63 % investigated the Inhibitory 
Concentration (IC), Threshold-Effect Concentration (TEC), Minimum 
Detectable Effect Concentrations (MDEC), and Half-Maximal Activity 
Concentration (AC50). 

Before proceeding, all data extracted from peer-reviewed publica
tions were checked for reliability trough the SciRAP platform (Science in 
Risk Assessment and Policy; http://www.scirap.org/) (Moermond et al., 
2016). For such evaluation, the parameters considered as most impor
tant, besides the chemical species tested (Cu) and the exposure condition 
(reflecting the estuarine conditions observed in this study), were the 
validity of the criterion/endpoint, the exposure time, and the descrip
tion of the test organism. Data with great uncertainties or lacking key 
information were discarded to ensure that only robust and accurate test 
results were used. At the end of the data analysis, only data that pre
sented a reliability ≥75 % were used for the PNEC derivation, resulting 
in 266 LCx data. When more than one test was conducted for the same 
species under the same condition, they were combined to generate a 
unique LCx value for each species (mean values were used). However, 
the same species tested in different life stages were considered as 
separate tests. The final dataset consisted of 18 toxicity tests (LC50), 
covering 16 species (Table S1, Supplementary Material). 

2.6. Derivation of predicted no effect concentrations (PNEC): 
probabilistic approach using species sensitivity distributions (SSD) 

PNEC was derived using the probabilistic approach, according to the 
Technical Guidance Document (TGD) on risk assessment of the Euro
pean Chemicals Bureau (ECB, 2003). The probabilistic method was used 
because the dataset was robust enough to enable the construction of a 
Species Sensitivity Distribution (SSD) curve, including more than 15 
different species belonging to several ecological groups (ECB, 2003; EC, 
2011; Martins et al., 2018). The SSD curve was generated using a cu
mulative graph of the toxicity values (LC50) algorithmically transformed 
against the assigned percentiles for every value at which a statistical 
distribution was adjusted (Wheeler et al., 2002). In detail, the "y-axis" 
positions in the plot of the SSD curve were determined based on the data 
classification (i) and the total number of data (n), according to the Eu
ropean Chemicals Bureau (Eq. 3; EC, 2011). 

(i − 0.5)/n (3) 

The ecotoxicity dataset was analyzed using a probability distribution 
of the ranked log-normal toxicity, thus the PNEC value was derived 
considering the hazard concentration to 5% of the species (5%SSD), a 50 
% confidence interval (50%C.I.) and an appropriate AF (AF = 10) (Eq. 
4; ECB, 2003). 

PNEC =
5%SSD × 50%C.I.

AF
(4) 

The Assessment Factors (AFs) are uncertainty factors based on the 
precaution principle, which considers that risk assessments may have 
multiple sources of uncertainty related to the huge variability of 
ecological communities that are intended to be protected (ECB, 2003). 
Their size depends on the robustness of the dataset (EC, 2011; Martins 
et al., 2018), in which the smaller the amount or reliability of the 
available data, the greater the AF applied (Finizio and Vighu, 2014). AF 
from 1 to 5 are recommended for PNEC derived from SSD (ECB, 2003). 
However, to account for extrapolating the results from acute to chronic 
conditions, an AF of 10 was selected in this study, in which different 
ecological groups were used from reliable studies. 

2.7. Risk characterization 

To assess the applicability and response of coupling the DGT tech
nique with toxicity data, Risk Quotients (RQ) were calculated for each 
study area, by dividing the Measured Environmental Concentration 
(MEC) for the Predicted No Effect Concentration (PNEC) (Eq. 5; ECB, 

K. Umbría-Salinas et al.                                                                                                                                                                                                                       

http://www.dgtresearch.com
http://www.scirap.org/


Journal of Hazardous Materials 403 (2021) 123918

5

1996). Two RQ were calculated: RQ1, using Cu-DGT values as MEC; and 
RQ2 using Cu-Diss. For both calculations the PNEC value was the same. 

RQ =
MEC
PNEC

(5) 

Risk was then categorized as low (RQ ≤ 0.1), moderate (0.1 < RQ <
1.0) and high risk (RQ ≥ 1.0). 

2.8. Statistical analysis 

The normal distribution of the data was evaluated using the Shapiro- 
Wilk test with a significance level of 95 %. Significant differences be
tween periods and sampling sites were evaluated by t-test, with a con
fidence interval of 95 % (p < 0.05). For the PNEC derivation, the dataset 
was transformed with log (x+1). Data processing was performed with 
the R Core Team Software (2016). 

3. Results 

3.1. Chemical analysis 

3.1.1. Physicochemical parameters of estuarine water 
The mean values of the different physicochemical parameters 

(Table 1) showed variations between the sampling periods, except 
turbidity and salinity at TMS (Rio de Janeiro) and only turbidity at PS 
site (Santa Catarina). This behavior is consistent with the seasonality of 
each study site. Specifically, the temperature was higher in the S1 
sampling period when compared to the S2 period for all study locations. 
The pH values showed small differences between both sampling periods 
for all sites, but with more variations at PS, as well as at GFFS and MI 
(Rio Grande) sites. In the PS site (Santa Catarina), salinity was higher 
during S2, while in contrast, such parameter at the study sites in Rio 
Grande (GFFS, SS and MI sites) was higher during S1, both sampling 
periods corresponding to the dry season of each area. The turbidity in 
the Patos Lagoon estuary (GFFS, SS and MI sites) showed higher values 
during S2. 

3.1.2. Copper labile (Cu-DTG) and total dissolved copper (Cu-Diss) 
The Cu-DGT concentrations (Fig. 2A) in the water column showed 

significant variations (p < 0.05) between sampling periods, in all the 
study locations, except for TMS. The Cu-DGT was higher during the S2 
period when compared to S1 for PS (SC), as well as GFFS and MI (RG). 
The SS site showed a higher concentration in the S1 period, being also 
the highest Cu-DGT concentration found in the present work. Regard to 
the Cu-Diss fraction (Fig. 2B), significant variations (p < 0.05) between 
sampling periods was found at the GFFS site, where higher Cu-Diss 
concentration can be observed during the S2 period. 

3.2. Species sensitivity distributions (SSD) curve and Predicted No Effect 
Concentrations (PNEC) derivation 

The PNEC derivation was performed from LC50 values (acute toxicity 
data) instead of using the available data on chronic toxicity. This was 
because the chronic values that were gathered, even representing more 
than 3% (12) of the initial data (410), did not composed a dataset that 
meets the minimum requirements for PNEC derivation and the SSD 
curve construction; highlighting the coverage of the minimum required 
taxonomic groups. Consequently, the SSD curve was plotted based on 
the LC50 and covers 16 species (Fig. 3), included in the families 
Amphiuridae, Brachionidae, Cyprinidae, Cyrenidae, Daphniidae, Hya
lellidae, Poeciliidae, Potamidae, Ranidae, Salmonidae, Squalidae and 
Varunidae within the phyla Annelida, Arthropoda, Chordata and Roti
fera of the kingdom Animalia; and the families Araceae and Ceramiaceae 
of the phyla Rhodophyta and Tracheophyta of the kingdom Plantae 
(Table S1, Supplementary Material). These 16 species were framed in 8 
ecological groups: (1) algae; (2) amphibia in larval phase; crustacean in 
larval (3) and juvenile (4) phase; (5) others invertebrates; (6) macro
phyte; (7) zooplankton (other than crustaceans); and (8) fish. Thus, the 
resultant PNEC was 0.16 μg.L− 1. 

The SSD plot represents the fraction of species that would be 
potentially affected as a function of the dissolved Cu concentration in 
water. Meanwhile, the PNEC value indicates the total dissolved Cu 
concentration in which 95 % of the ecosystem community would be 
protected from acute effects. Moreover, the reported PNEC value ex
tends the protection of organisms from chronic effects, due to the use of 
an assessment factor (AF). The most sensitive species to total dissolved 
Cu was the crustacean Hyalella pseudoazteca (LC50 = 0.17 μg.L− 1), fol
lowed by the Ceramium tenuicorne macrophyte (Fig. 3). The least sensi
tive species were the decapod crustaceans Callinectes sapidus and 
Neohelice granulata in the juvenile stage. Comparably, organisms with 
moderate sensitivity (middle curve area) were mainly represented by 
fish and some invertebrates (including some species of crustaceans). 

3.3. Risk characterization 

Risk characterization and category, for each site (Table 2) were 
based on the coupling between the DGT technique (such as MEC value) 
and the PNEC value. The obtained values for RQ1 (labile fraction) 
allowed to categorize, for both periods, all sampling areas as “high risk 
areas” – including the reference site during S2 period. While, RQ2 values 
(total dissolved fraction) indicated a “very high risk” in all study areas. 

4. Discussion 

4.1. Copper content in shipyard areas: labile and total dissolved fractions 

Salinity, pH and turbidity values (Table 1) measured in waters of the 
sites located in Rio Grande (GFFS, SS, and MI) are within the same range 
of values previously reported for the Patos Lagoon estuary, in different 
sampling periods (Costa and Wallner-Kersanach, 2013; Pereira et al., 
2018). Similarly, the pH and temperature values at the TMS site were 
comparable with values reported in Aguiar et al. (2011) which indicated 
pH and temperature values of 7.30 and 26.9 ◦C, respectively. As for the 
rest of the areas, the PS site presented salinity values consistent with 
previous measurements reported by Pereira-Filho et al. (2010) (salinity 

Table 1 
Mean values of the physicochemical parameters in the water column during 
every sampling period S1 and S2 at the different sites.  

Location Sample 
Collection 

(SC) 

Temperature 
(◦C) 

pH Salinity Turbidity 
(NTU) 

TM Shipyard 
(TMS), 

Guanabara 
Bay 

S1 27.3 7.3 30.1 11.9 

S2 23.6 7.8 31.7 10.0  

P Shipyard (PS). 
Itajaí-Açu 

River 

S1 24.8 6.2 0.1 20.1 

S2 18.0 6.9 18.2 21.1  

GFF Shipyard 
(GFFS). Patos 

Lagoon 
Estuary 

S1 26.4 8.3 31.7 29.0 

S2 18.5 7.6 1.0 56.9  

S Shipyard (SS). 
Patos Lagoon 

Estuary 

S1 26.2 8.4 32.0 33.1 

S2 19.0 8.0 5.6 62.8  

Marinheiros 
Island (MI). 

Patos Lagoon 
Estuary 

S1 26.8 8.5 27.0 5.2 

S2 23.2 7.8 1.6 26.3  
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Fig. 2. (A) Cu-DGT (deployment 48 h) and (B) Cu-Diss concentrations (μg.L− 1) in S1 ( ) and S2 ( ) in: TM Shipyard (TMS), P Shipyard (PS), GFF Shipyard (GFFS), 
S Shipyard (SS) and reference area (Marinheiros Island, MI). Values are reported as mean ± SE. Samples from each data set (Cu-DGT e Cu-Diss) were compared by t- 
test (p < 0.05); the same letters indicate no significant differences, while the different letters indicate differences. 

Fig. 3. Species Sensitivity Distribution (SSD) curve of dissolved copper for different species inhabiting the Brazilian coastal ecosystem. The toxicity data include only 
acute values (LC50), and they are reported using the log-normal distribution of toxicity data. 

Table 2 
Calculated Risk Quotients (RQ) during each sampling period S1 and S2 of the different sites. RQ were calculated using the derived Predicted No-Effect Concentration 
(PNEC) value, with Cu-DGT (RQ1) and Cu-Diss (RQ2) fractions as Measured Environmental Concentration (MEC) values.  

Location Sample Collection (SC) Risk characterization (MEC = Cu-DGT) Risk characterization (MEC = Cu-Diss)   

RQ1 Risk category RQ2 Risk category 

TM Shipyard (TMS), Guanabara Bay S1 4.1 >1 High 8.6 >>1 High! 
S2 4.7 >1 High 7.7 >>1 High!  

P Shipyard (PS), Itajaí-Açu River S1 1.5 >1 High 9.6 >>1 High! 
S2 3.1 >1 High 13.7 >>1 High!  

GFF Shipyard (GFFS), Patos Lagoon Estuary S1 0.9 <1 Moderate 10.5 >>1 High! 
S2 2.0 >1 High 52.3 >>1 High!  

S Shipyard (SS), Patos Lagoon Estuary S1 11.1 >>1 High! 11.8 >>1 High! 
S2 5.7 >>1 High! 15.8 >>1 High!  

Marinheiros Island (MI), Patos Lagoon Estuary S1 0.3 <1 Moderate 10.1 >>1 High! 
S2 1.9 >1 High 7.7 >>1 High!  

K. Umbría-Salinas et al.                                                                                                                                                                                                                       



Journal of Hazardous Materials 403 (2021) 123918

7

= 16) and Oliveira et al. (2010) (salinity from 11 to 22). However, it is 
important to highlight that the Itajaí-Açu River basin was affected by 
heavy rainfall during the week before the first sampling period (S1), that 
generated a decrease of the dissolved salt content in water during the 
sampling, because of the increase of the freshwater flow. This explains 
the salinity value of 0.1 corresponding in the sampling period. 

Regarding the Cu-DGT concentrations determined in this study 
(Fig. 2A), the following descending order of concentrations was found 
for the study areas in both periods: SS > TMS > PS > GFF > MI. For the 
TMS site, the Cu-DGT concentrations did not show significant differ
ences (p > 0.05) between sampling periods (Fig. 2A), which reflects the 
low variability in the water physicochemical parameters in the area 
(Table 1). This is caused by the restricted circulation of water in this 
system since the study site is morphologically protected (Fig. 1), which 
reduces the water renewal. In contrast, the significant differences (p <
0.05) observed in all other study sites reflect the great variations in the 
physicochemical conditions, with special attention to salinity and pH. 
Thus, higher concentrations of Cu-DGT were observed in the water of 
the Patos Lagoon estuary during S2 period, when water salinity is lower. 
Salinity had already been reported as one of the major factors respon
sible for the availability of labile Cu in waters of the Patos Lagoon es
tuary (Costa and Wallner-Kersanach, 2013). 

The only exception was the SS site, in which the highest Cu-DGT 
values was reported during the S1 period, highlighting that this value 
was very significantly different (p < 0.01) and much higher than the 
average values of the other sites in RG. During the deployment time in 
the S1 period at SS site and S2 period at PS site (higher salinity values and 
lower precipitation), a great vessels maintenance activity was observed. 
The SS site has been reported as one of the most active shipyards at the 
Patos Lagoon estuary (Costa et al., 2016; Soroldoni et al., 2018). 
Therefore, the Cu input in these shipyards may be high enough to pre
dominate over the effects of the physicochemical parameters on the Cu 
labile fraction mobility, resulting in the high concentrations of Cu-DGT 
obtained in these sites, in such periods (Fig. 2.A). 

Singh and Turner (2009) have reported, from laboratory experiments 
with simulated environmental conditions that antifouling paints tend to 
leach larger quantities of Cu ions to the surrounding water at higher 
environmental salinities. This is attributed to dissolution processes of 
copper (I) oxide (Cu2O) from antifouling paints, in the presence of chlo
ride ion (Cl− ) and seawater cations (Singh and Turner, 2009). However, 
the final products of these processes generate compounds that are not 
completely stable (CuCl2- and CuCl3-2), so the associated Cu with them can 
be dissociated (Singh and Turner, 2009). Consequently, generating an 
increase in the proportion of labile Cu (copper-free ions and weak inor
ganic complexes). This is consistent with the findings at TMS and PS sites, 
but unlike them, the site SS in RG have the highest Cu-DGT concentrations 
during the S2 period, when salinity values were lower than 5. This could be 
associated, as already mentioned, to the predominant control that the pH 
exerts on the availability of labile Cu at the Patos Lagoon estuary, asso
ciated in turn with the greater complexity of this system. 

Besides, when comparing Cu labile concentrations obtained in this 
study with those reported in other works, it is observed that the results 
are consistent with values reported for marinas and different shipyards 
areas at the Patos Lagoon estuary (Wallner-Kersanach et al., 2009; Costa 
and Wallner-Kersanach, 2013). They are also consistent with leisure 
areas with constant vessels traffic in Sweden (Egardt et al., 2018). 
However, with exception of the SS site during S1, Cu labile concentra
tions in the studied area were lower than values reported in ports and 
marinas in Spain (Montero et al., 2013) and France (Caro et al., 2015). 

The concentration of Cu-Diss was similar in all sampling sites and 
periods, except for the GFFS site, which presented a significant differ
ence (p < 0.05) during the S2 period. This high Cu-Diss value may be 
related to the high turbidity values (56.9 NTU) observed for this site 
during this period (S2). In this estuary, high freshwater discharges and 
changes in wind patterns provide a decrease in dissolved salts and favor 
sediment resuspension processes (Wallner-Kersanach et al., 2009). This 

could remobilize metals from sediment to the overlying water column 
(Seitzinger et al., 2010) and thus, increase the total dissolved copper 
content. Additionally, previous studies have reported important Cu 
content in the sediment of this site (Costa et al., 2016; Valero et al., 
2020) recently showed that there is a diffuse flow of labile Cu from the 
sediment to the water column, and this turns out to be greater during S1 
for the site GFFS and S2 for MI. When comparing these values with the 
results obtained, this process is consistent with the highest concentra
tions of Cu-DGT obtained in the water column of the MI site but not for 
GFFS. This may also be related to the turbidity values of the GFFS, since 
there is a higher content of suspended material, which is able to 
immobilize part of the labile Cu present in the water column. This 
process does not seem to occur at the MI site. 

Although turbidity values at SS site (62.8 NTU) were similar to GFFS 
during the S2 period, the SS site is closer to the narrow part and entrance 
of the channel of the Patos Lagoon estuary. This shipyard area has a 
higher hydrodynamics, a deeper water column, and coarser sediment in 
the surroundings, which decreases the resuspension process of particu
late material. Meanwhile, the GFFS site has a shallower water column, 
which provides greater sediment resuspension. Indeed, when high sus
pended particulate matter content (SPM) is found, a decrease in the Cu- 
DGT is observed (Costa and Wallner-Kersanach, 2013). This is concor
dant with the low Cu-DGT concentrations determined at this location 
compared to its dissolved fraction (Fig. 2). 

Except for GFFS in the S2 period, Cu-Diss values obtained in this 
study were up to twice as lower than values reported for the Venezia 
Lagoon estuary, a site with high discharge of domestic and industrial 
sewage (Morabito et al., 2018). The same was observed when compared 
with the results described for marinas on the coast of California (Schiff 
et al., 2007), as well on various locations on the northern coast of 
Australia (Munksgaard and Parry, 2001). On the other hand, the Cu-Diss 
concentration was higher than that reported for Sydney Harbor in 
Australia (Hatje et al., 2003), a highly urbanized area that includes 
harbors, marinas, paint industries, and continuous vessel traffic. 

When comparing Cu-DGT and Cu-Diss concentrations in every 
sampling period, it is noted that the dissolved fraction exceeds the labile 
fraction (between 2 and 32 times more), which is to be expected since 
the labile fraction is part of the total dissolved fraction. Nevertheless, the 
Cu-DGT fraction represents a higher proportion of Cu-Diss (between 
22–62 %) during low salinity period, except at the GFFS site where it 
only represented 2%. Meanwhile, the opposite is observed during high 
salinity period (3–48 %), except at SS site, where Cu-DGT represents 93 
% of Cu-Diss fraction. 

4.2. Hazard assessment 

The probabilistic derivation of PNEC is an increasingly important 
tool in Ecological Risk Assessments since it allows high statistical reli
ability in risk assessment procedures (Wheeler et al., 2002; Fan et al., 
2019; Yan et al., 2019). In addition, the toxicity tests results gathered 
from the literature were highly reliable (≥75 %), and the number of 
species (preferably more than 15) and taxonomic groups (at least 8 
taxonomic groups) met the minimum criteria to derive PNEC based on 
SSD curves (ECB, 2003). Moreover, the database used encompasses only 
species that occur naturally in Brazilian coastal areas. Thus, resulting 
PNEC (0.16 μg.L− 1) can be considered robust enough for Brazilian 
estuarine ecosystems. 

Specifically, the finding that H. pseudoazteca represents the most 
sensitive species to Cu in water has important implications, since this 
amphipod can represent an essential part of the ecosystem food web, 
because of its role as food in the lower trophic levels (Casset et al., 2001). 
The macrophyte C. tenuicorne also showed to be highly sensitive to 
compounds released in shipyard and port areas, and therefore is widely 
affected in systems of this type. This species is also ecologically impor
tant and widely distributed throughout the world (Eklund, 2017). 

In this study, the toxicity dataset used include different salinity 
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values, highlighting that the species that were most sensitive to the ef
fect of Cu were tested under low salinity conditions. Despite this, to date, 
reliable toxicity tests performed at low salinities (using dissolved 
seawater) are scarce. These tests could improve the understanding of the 
toxicity of Cu in low salinity estuaries, which are adapted to the worst 
scenario of Cu toxicity. Accordingly, the ecotoxicological dataset used in 
this work was based on results of toxicity tests performed within a wide 
range of salinity (5–38) to better reflect estuarine conditions. Further
more, it is advisable to use a set of chronic toxicity data in the PNEC 
derivation, because they offer greater robustness and allow more precise 
statistical extrapolations. Likewise, chronic data results in more repre
sentative values of natural systems, where the water body is continu
ously receiving low concentrations of pollutants (Finizio and Vighu, 
2014). However, due to the restrictions of the dataset considered in this 
work (natural organism of the Brazilian coast), these were insufficient to 
generate a robust chronic dataset. In spite of that, the use of acute data 
for such derivation is equally valid, mainly associated to the scarcity of 
chronic data (Wheeler et al., 2002; Finizio and Vighu, 2014; Martins 
et al., 2018). In this sense, Huang et al. (2018) concluded that when 
PNEC derivation comes from acute data, it should be based only on the 
most sensitive endpoints of each species. In this sense, Martins et al. 
(2018) indicate that because the probabilistic approach is more 
comprehensive, the degree of uncertainty of the generated data is 
reduced, producing a more realistic result when a low AF value is used. 

It is important to mention that site-specific probabilistic PNECs, such 
as the one considered in the present study, usually depend on the use of 
non-standard species in the scope of international guidelines for toxicity 
tests, in order to generate a complete and robust dataset. The suitability 
in using non-standard species was verified based on the reliability of the 
toxicity tests performed, thus, only tests whose reliability was ≥75 % 
were used. Another advantage of using site-specific PNECs, which 
embrace a more comprehensive dataset of naturally occurring species, is 
that they allow a more accurate hazard assessment and adjusted to the 
characteristic of a specific system. Hence, the PNEC derived in this 
study, by covering species that occur naturally in the Brazilian coast 
could be successfully extrapolated to areas other than those affected 
only by vessel maintenance. 

The PNEC derivation depends on individual decisions, as discussed 
by Hahn et al. (2014), which attributed the choice of methodology used, 
especially key study selection, acute versus chronic definitions, and the 
size of assessment factors, as parameters that influence the final result. 
In this sense, some studies had derived a PNEC for copper using the 
probabilistic approach, resulting in different values. For instance, Park 
et al. (2019) has estimated a more permissible PNEC of 0.80 μg.L− 1 for 
river resident organisms located in Korea. However, the authors used a 
slightly different model to estimate PNEC, adjusted all data to the total 
fraction of Cu, used only data for freshwater organisms and used a lower 
AF (5). On the other hand, Li et al. (2019) found a PNEC value of 0.17 μg. 
L− 1, using chronic toxicity data and an AF of 5. This value is very similar 
to that found in our study (0.16 μg.L− 1), enhancing reliability in 
extrapolating from acute to chronic using an AF size of 10. 

Physicochemical conditions strongly affect the toxicity of trace 
metals and therefore they should be taken into account when gathering 
toxicity datasets to derive PNEC. Ideally, site-specific hazard assess
ments should be conducted, as different waterbodies present particular 
abiotic and biotic characteristics, and the biological community might 
be adapted to different environmental pressures, including exposure to 
contaminants. In addition, accounting for a wide range of species within 
different taxonomic and ecological groups is also important when it is 
desired to have a comprehensive characterization of the ecosystem 
under study, reducing bias and uncertainties. 

4.3. Risk characterization 

Once the value of the PNEC (toxicity data) has been determined and 
integrating this with Cu-DGT - or Cu-Diss - concentrations (exposure 

data), it is possible to demonstrate the successful coupling between the 
DGT technique with toxicity data, thus arising a potentially more precise 
tool for Ecological Risk Assessments (ERA). The RQs calculated with 
different MEC values, allowed to visualize the overestimation that may 
exist when a system is ecologically evaluated using the total dissolved 
fraction. In many cases, such overestimation is positive in relation to 
frames within the established legislation. However, more precise mea
surement (labile fraction) could facilitate the application and compli
ance with laws, as the labile fraction represents a lower environmental 
value, when compared to the total dissolved fraction. As expected, the 
values obtained from RQ2 (Table 2) allowed us to observe more 
alarming values when compared to RQ1. Taking into account that RQ1 is 
based on the bioavailable Cu species, it represents a more realistic risk 
characterization. 

According to the Cu-DGT values, the RQ1 showed the highest risks at 
the TMS and SS sites, where a greater contribution of labile Cu from a 
larger number of vessels under maintenance was observed during the 
deployment time. Therefore, it is possible to affirm that concentrations 
of labile Cu in Brazilian coastal areas with the presence of hotspots (e.g. 
shipyards) effectively represent an alarming risk to the aquatic com
munity established in that system. 

This study was carried out using measured concentrations of single 
sampling campaigns and not considering time series (continuous 
monitoring). Despite this, the DGT passive sampler, capable of inte
grating measurements over time, provides reliable results capable of 
identifying areas that require the application of ERA. 

Finally, it is important to mention that overall, the derivation of 
Water Quality Criteria (WQC) worldwide is based on the total or dis
solved total concentration. This means that it is not taken into account 
important factors such as speciation and bioavailability, and the effects 
they can generate on the biological community of each ecosystem. When 
some Cu WQC are compared, different values are found. For example, 
2.6 μg.L− 1 for Europe (ECB, 2008), 3.8 μg.L− 1 for England and Wales 
(DEFRA, 2014), 4.8 μg.L− 1 for USA (US EPA, 2009) and 7.8 μg.L− 1 for 
Brazil (CONAMA, N. 357, 2005; study case). That shows that Brazil has a 
more permissible legislation comparing to other nations and over
estimate the support capability of estuarine ecosystems for copper, as a 
PNEC of 0.16 μg.L− 1 was derived for the Brazilian coast. As a conse
quence, this overestimation could lead to problems in decision-making 
and execution of environmental management programs, highlighting 
environments with metals hotspot presence or/and high complexity 
such as estuarine systems. The above also highlights the need for 
site-specific environmental assessments to safeguard and manage 
different ecosystems. 

As this study assessed the ecological risk of copper to estuarine areas 
impacted by shipping maintenance activities, it was observed that the 
Cu labile fraction alone represents a moderate to high ecological risk. 
Thus, the need to generate new tools for environmental monitoring is 
necessary, leading to deriving a new WQC and supporting future man
agement actions. 

5. Conclusion and recommendations 

In this study, it was possible to perform compressive Ecological Risk 
Assessments (ERA) of Cu for estuarine environments of the southeastern 
and southern coast of Brazil, by coupling the Diffusive Gradients in Thin 
films (DGT) technique (Cu-DGT), the total dissolved Cu content (Cu- 
Diss) in water, and the derivation of a site-specific PNEC considering 
aquatic species occurring in Brazilian coasts. The Cu-DGT and Cu-Diss 
concentrations, determined in the water column of the shipyard areas 
(hotspots), showed a direct relationship between the contribution of Cu 
with the application of antifouling paints and the maintenance of ves
sels. Likewise, it was observed that in areas where these activities were 
intense, the labile Cu concentration represented up to 93 % of the total 
dissolved fraction, which increases the risk for the local aquatic com
munity. This was confirmed since the Cu-DGT and Cu-Diss 
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concentrations exceeded the PNEC value, resulting in Risk Quotients 
(RQ) that represent moderate to high risk. These concentrations were 
similar or lower than those reported for the aquatic compartment of 
other contaminated estuarine areas. 

It is concluded that the use of the DGT technique -as MEC value- pro
vided a more accurate Risk Assessment and should be considered for 
implementation in future legislation. Nevertheless, this research would be 
considered as a first approach to establish a more robust alternative to 
classic ERAs. Thus, further refinements will be necessary yet. For example, 
the lack of more toxicological test using native species to a specific area can 
lead to difficulties to derivate a site-specific PNEC. However, the authors 
are confident that in near future environmental agencies and research 
institutes can affront this complexity and easily apply the proposed 
alternative. This can be addressed by tools such as incorporating ERAs in 
regulation frameworks, with specific criteria for each country according 
to their needs. This could naturally lead to wise choices in species to be 
taken into account for the derivation of PNECs. Therefore, it is proposed 
that the derived PNEC and the implemented approach in this work used in 
the Ecological Risk Assessment can be extrapolated along the Brazilian 
coast, and in other natural environments in the world. 

Finally, considering that in addition to Cu, antifouling paints can 
release other metals such as Cr, Ni, and Zn (Costa et al., 2016; Soroldoni 
et al., 2018), it is important to perform ERAs of these elements in areas 
with similar characteristics, considering the use of the DGT technique 
that determine the labile fraction of these elements simultaneously. 
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