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Abstract
Retracing	introduction	routes	is	crucial	for	understanding	the	evolutionary	processes	
involved	in	an	invasion,	as	well	as	for	highlighting	the	invasion	history	of	a	species	at	
the	global	 scale.	The	Asian	 long‐horned	beetle	 (ALB)	Anoplophora glabripennis	 is	 a	
xylophagous	pest	native	to	Asia	and	invasive	in	North	America	and	Europe.	It	is	re‐
sponsible	 for	 severe	 losses	 of	 urban	 trees,	 in	 both	 its	 native	 and	 invaded	 ranges.	
Based	on	historical	and	genetic	data,	several	hypotheses	have	been	formulated	con‐
cerning	 its	 invasion	history,	 including	the	possibility	of	multiple	 introductions	from	
the	native	 zone	 and	 secondary	dispersal	within	 the	 invaded	 areas,	 but	 none	have	
been	formally	tested.	In	this	study,	we	characterized	the	genetic	structure	of	ALB	in	
both	its	native	and	invaded	ranges	using	microsatellites.	In	order	to	test	different	in‐
vasion	scenarios,	we	used	an	approximate	Bayesian	 “random	forest”	algorithm	 to‐
gether	 with	 traditional	 population	 genetics	 approaches.	 The	 strong	 population	
differentiation	observed	in	the	native	area	was	not	geographically	structured,	sug‐
gesting	complex	migration	events	that	were	probably	human‐mediated.	Both	native	
and	 invasive	 populations	 had	 low	 genetic	 diversity,	 but	 this	 characteristic	 did	 not	
prevent	the	success	of	the	ALB	invasions.	Our	results	highlight	the	complexity	of	in‐
vasion	pathways	for	insect	pests.	Specifically,	our	findings	indicate	that	invasive	spe‐
cies	might	be	repeatedly	introduced	from	their	native	range,	and	they	emphasize	the	
importance	 of	 multiple,	 human‐mediated	 introductions	 in	 successful	 invasions.	
Finally,	our	results	demonstrate	that	 invasive	species	can	spread	across	continents	
following	a	bridgehead	path,	 in	which	an	 invasive	population	may	have	acted	as	a	
source	for	another	invasion.
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1  | INTRODUC TION

The	number	of	human‐mediated	introductions	of	non‐native	species	
has	increased	considerably	over	the	last	decades,	and	the	establish‐
ment	rate	of	such	species	does	not	seem	to	be	stabilizing	(Liebhold,	
Brockerhoff,	&	Kimberley,	2017;	Seebens	et	al.,	2017).	This	increase	
is	 substantial	 for	 insects	 (Roques	et	al.,	2016),	which	benefit	 from	
the	 intensification	 of	 international	 trade	 to	 settle	 out	 of	 their	 na‐
tive	range.	Harmful	consequences	of	such	introductions	are	diverse	
and	may	 affect	 all	 kinds	 of	 ecosystems	 as	 some	 of	 these	 species	
become	invasive	(Hulme,	2009;	Kenis	et	al.,	2008;	Simberloff	et	al.,	
2013).	 Identifying	patterns	of	 introduction	and	potential	pathways	
of	spread	of	an	invasive	species	is	crucial	for	preventing	further	in‐
troductions	and	managing	established	populations	(Essl	et	al.,	2015;	
Estoup	&	Guillemaud,	2010).	Additionally,	retracing	invasion	routes	
is	essential	for	understanding	the	evolutionary	and	ecological	pro‐
cesses	that	have	led	to	the	invasion	success	(Estoup	&	Guillemaud,	
2010).

Biological	 invasions	 can	differ	 in	 the	 number	 of	 introduction	
events	involved	and	in	the	spread	pathway	of	the	introduced	spe‐
cies.	The	specificity	of	invasion	scenarios	strongly	influences	the	
genetic	 structure	of	 invasive	populations	and	 their	 invasion	 suc‐
cess	(Garnas	et	al.,	2016).	Newly	founded	populations	often	suffer	
from	a	drastic	decrease	 in	genetic	diversity	due	 to	 the	 introduc‐
tion	 of	 a	 limited	 number	 of	 genotypes	 from	 the	 source	 popula‐
tion	(founder	effect;	e.g.,	Auger‐Rozenberg	et	al.,	2012).	However,	
multiple	 introductions	 seem	 to	 be	 rather	 common	 (Dlugosch	 &	
Parker,	 2008)	 and	 have	 been	 reported	 for	 many	 invasive	 insect	
species	 (Garnas	et	al.,	2016).	They	can	help	to	partly	restore	the	
original	genetic	diversity	and	thus	limit	the	severity	of	bottlenecks	
(Dlugosch	&	Parker,	2008).	Nevertheless,	single	introductions	may	
also	occur,	like	in	the	case	of	the	Asian	yellow‐legged	hornet	(Vespa 
velutina,	 Arca	 et	 al.,	 2015;	 Monceau,	 Bonnard,	 &	 Thiéry,	 2014).	
Additionally,	 bridgehead	 scenarios,	 in	which	 an	 invasive	 popula‐
tion	acts	as	the	source	for	another	invasive	population	(Hurley	et	
al.,	2016;	Lombaert	et	al.,	2010;	Yang,	Sun,	Xue,	Li,	&	Hong,	2012),	
may	complicate	the	invasion	history	considerably,	and	such	a	pat‐
tern	seems	to	be	much	more	frequent	than	previously	estimated	
(Garnas	et	al.,	2016).

Approximate	 Bayesian	 computation	 (ABC)	 is	 a	 method	 for	
forming	 model‐based	 inferences	 for	 complex	 scenarios	 on	 the	
basis	 of	 simulations	 and	 summary	 statistics	 (Beaumont,	 Zhang,	
&	 Balding,	 2002;	 Bertorelle,	 Benazzo,	 &	 Mona,	 2010;	 Csilléry,	
Blum,	Gaggiotti,	 &	 Francois,	 2010).	 This	method	makes	 it	 possi‐
ble	to	take	into	account	complex	demographic	processes	such	as	
changes	 in	 effective	 population	 size,	 admixture	 events	 and	 the	
involvement	 of	 unsampled	 populations	 (i.e.,	 ghost	 populations;	
Estoup	&	Guillemaud,	2010).	ABC	has	been	used	successfully	 to	
retrace	the	invasion	routes	of	numerous	alien	species	(Lesieur	et	
al.,	2018;	Lippens	et	al.,	2017;	Lombaert	et	al.,	2010;	Miller	et	al.,	
2005;	Pascual	et	al.,	2007).	The	number	of	simulated	data	sets	in‐
creases	steadily	with	 the	number	of	 tested	scenarios,	which	can	

lead	to	time‐consuming	computations.	Additionally,	in	some	cases,	
estimated	posterior	probabilities	of	scenarios	based	on	polychot‐
omous	 logistic	 regression	give	 inaccurate	predictions	despite	 in‐
volving	a	large	number	of	simulations	(Robert,	Cornuet,	Marin,	&	
Pillai,	2011).	To	compare	scenarios,	 the	use	of	a	 “random	forest”	
algorithm	(Breiman,	2001)	was	proposed	recently	by	Pudlo	et	al.	
(2016).	 This	 application	 of	 a	 “random	 forest”	 process	 in	 an	ABC	
context	 (ABC‐RF)	 is	 expected	 to	 discriminate	 efficiently	 among	
scenarios	while	being	computationally	 less	costly,	as	well	as	 less	
sensitive	to	the	choice	of	summary	statistics	compared	to	standard	
ABC.	ABC‐RF	is	not	routinely	used	for	the	reconstruction	of	inva‐
sion	routes,	but	it	has	already	produced	some	promising	results	in	
discriminating	among	complex	invasion	scenarios	(Fraimout	et	al.,	
2017;	Lombaert	et	al.,	2018).

In	 the	 present	 study,	 we	 aimed	 to	 describe	 the	 major	 events	
of	 the	 worldwide	 invasion	 history	 of	 Anoplophora glabripennis 
(Motschulsky),	 the	Asian	 long‐horned	beetle	 (ALB),	with	a	 specific	
focus	on	the	European	invasion.	ALB	is	a	xylophagous	Cerambycidae	
native	to	China	and	Korea	 (Lingafelter	&	Hoebeke,	2002).	 Invasive	
populations	were	reported	for	the	first	time	in	the	United	States	in	
1996	(Haack,	Cavey,	Hoebeke,	&	Law,	1996),	and	in	Canada	in	2003	
(Turgeon,	Orr,	Grant,	Wu,	&	Gasman,	2015).	Europe	was	the	second	
continent	to	be	invaded.	Since	the	first	European	record	in	Austria	
in	2001	(Hérard	et	al.,	2006),	additional	local	outbreaks	have	been	
successively	 observed	 in	 nine	 other	 European	 countries,	 namely	
France	 (2003),	 Germany	 (2004),	 Italy	 (2007),	 Belgium	 (2008),	 the	
Netherlands	(2010),	Switzerland	(2011),	the	United	Kingdom	(2012),	
Finland	 (2015)	and	Montenegro	 (2015),	and	new	 interceptions	are	
frequently	 reported	 (EPPO	Global	Database,	2016).	ALB	 introduc‐
tions	were	favoured	by	the	increase	in	global	trade,	and	larvae	may	
have	been	 transported	 from	 their	native	 range,	hidden	 in	wooden	
packing	 material	 (Haack,	 Hérard,	 Sun,	 &	 Turgeon,	 2010).	 Despite	
ongoing	eradication	programmes,	there	are	still	active	invasive	ALB	
populations	across	Europe	(EPPO	Global	Database,	2016).

Insect	larvae	damage,	and	ultimately	kill,	deciduous	tree	species	
(Sjöman,	Östberg,	&	Nilsson,	2014)	by	boring	galleries	within	trunks.	
In	China,	ALB	infestations	became	an	issue	after	implementation	of	a	
large‐scale	reforestation	programme	in	the	early	1980s	(Pan,	2005).	
The	species	is	estimated	to	cause	about	10	billion	yuan	of	economic	
loss	per	year	 (USD	1.5	billion),	corresponding	to	12%	of	economic	
losses	from	forest	pests	in	the	country	(Hu,	Angeli,	Schuetz,	Luo,	&	
Hajek,	2009).	In	North	America	and	Europe,	A. glabripennis	poses	a	
significant	threat	to	urban	trees.	In	the	United	States,	for	example,	
its	maximum	 potential	 impact	 is	 estimated	 at	 $669	 billion,	with	 a	
loss	of	almost	35%	of	the	canopy	and	of	30%	tree	mortality	(Nowak,	
Pasek,	Sequeira,	Crane,	&	Mastro,	2001).	Between	1998	and	2006,	
the	United	States	 invested	nearly	$249	million	 in	 eradication	pro‐
grammes	(Smith,	Turgeon,	Groot,	&	Gasman,	2009).

Previous	studies	involved	investigations	of	the	genetic	structure	of	
invasive	ALB	populations	in	both	the	native	(Carter,	Smith,	&	Harrison,	
2009)	 and	 invaded	 range	 (Carter,	 Smith,	 &	 Harrison,	 2010;	 Javal,	
Roques	 et	 al.,	 2017).	 Their	 findings	 highlighted	 a	 complex	 genetic	
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structure	in	the	native	zone	that	is	dominated	by	a	few	major	genetic	
clusters.	 In	 the	 invaded	area,	 specimens	belonging	 to	 these	genetic	
clusters	 were	 still	 the	 most	 abundant	 in	 the	 sampled	 populations.	
However,	most	invasive	populations	appeared	genetically	distinct,	al‐
though	some	geographically	close	outbreaks	seemed	genetically	iden‐
tical.	These	results	suggested	that	multiple	introductions	followed	by	
secondary	movements	within	the	invaded	areas	might	be	responsible	
for	 the	 current	 repartition	 of	 the	 species	worldwide.	However,	 this	
scenario	has	not	been	formally	tested.	The	goal	of	this	study	was	to	
define	the	pathways	and	sequence	of	main	events	that	have	resulted	
in	the	current	distribution	of	ALB.	Specifically,	using	population	genet‐
ics	 analysis	 and	ABC‐RF,	we	 investigated:	 (a)	whether	 introductions	
from	 the	 native	 area	 were	 recurrent,	 and	 (b)	 whether	 the	 invasion	
in	Europe	could	have	originated	from	the	first	invaded	range,	that	is	
North	America,	by	focusing	on	specific	sampled	populations.

2  | MATERIAL S AND METHODS

2.1 | Sampling and DNA extraction

A	total	of	633	ALB	specimens	(i.e.,	beetles,	larvae	and	eggs)	were	
sampled	 in	 the	 field	 between	 1999	 and	 2016	 in	 43	 locations	
worldwide,	 including	19	 localities	 in	Europe,	7	 in	North	America	
and	17	in	the	native	area	(China	and	Korea;	Table	1	and	Figure	1).	
According	 to	 Meirmans	 (2015),	 particular	 attention	 was	 given	
to	 the	 sampling	 strategy.	 Usually,	 samples	 are	 collected	when	 a	
newly	settled	population	is	identified	and	infested	trees	are	felled,	
which	makes	it	easy	to	collect	several	specimens	from	a	single	tree	
or	from	trees	that	are	close	together.	ALB	females	do	not	disperse	
far	and	tend	to	 lay	most	of	their	eggs	within	the	same	tree	or	 in	
the	 vicinity	 (Sawyer,	 2009).	 Therefore,	 the	 number	 of	 sampled	
trees	was	maximized	 in	 order	 to	 avoid	 collecting	 closely	 related	
individuals	from	a	single	family.

From	the	 full	 set	of	samples,	specimens	 from	four	of	 the	North	
American	populations	(populations	20–23;	Table	1)	and	from	two	of	
the	Asian	populations	(populations	31	and	40)	were	kept	in	laboratory	
colonies	of	the	US	Forest	Service	Quarantine	Laboratory	in	Ansonia,	
CT	(USA).	The	colonies	were	reared	for	two	to	eight	generations	(de‐
pending	on	the	population)	prior	to	sampling	for	genetic	analysis.	The	
number	of	specimens	used	to	start	each	colony	is	indicated	in	Table	1.

All	 specimens	were	 collected	 alive	 and	 preserved	 in	 absolute	
ethanol	 at	 −24°C	 until	 DNA	 extraction.	 Genomic	 DNA	 was	 ex‐
tracted	 from	a	 leg	 fragment	 for	 adults	 and	 from	a	 small	 abdomi‐
nal	fragment	for	immature	stages.	DNA	extraction	was	performed	
using	a	Nucleospin	kit	(Macherey‐Nagel,	Düren,	Germany)	accord‐
ing	 to	 the	manufacturer	 instructions,	with	 a	 final	 elution	 volume	
of	100	µl.

2.2 | Microsatellite genotyping

All	 samples	were	 genotyped	 at	 the	 15	microsatellite	 loci	 devel‐
oped	 for	 ALB	 by	 Carter,	 Casa,	 Zeid,	 Mitchell,	 and	 Kresovich	
(2008).	Amplifications	were	organized	into	six	multiplex	reactions	

as	 follows:	 1.	 ALB38/ALB77,	 2.	 ALB10/ALB53/ALB59,	 3.	 ALB9/
ALB14,	4.	ALB15/ALB35/ALB44,	5.	ALB40/ALB24	and	6.	ALB43/
ALB19/ALB30.	Multiplexed	 PCR	 was	 performed	 on	 a	 Veriti	 96‐
well	 Fast	 Thermal	 Cycler	 (Applied	 Biosystems).	 Amplifications	
of	 the	 two	 first	 multiplexes	 (ALB38/ALB77	 and	 ALB10/ALB53/
ALB59)	were	run	using	the	following	settings:	a	first	denaturation	
step	at	94°C	(5	min);	30	cycles	at	94°C	(30	s),	56°C	(45	s)	and	72°C	
(45	s);	eight	cycles	at	94°C	(30	s),	53°C	(45	s)	and	72°C	(45	s);	and	
a	 final	 elongation	 step	 at	 72°C	 for	 10	min	 (Carter	 et	 al.,	 2008).	
Amplifications	of	the	four	last	multiplexes	(ALB9/ALB14,	ALB15/
ALB35/ALB44,	 ALB40/ALB24	 and	 ALB43/ALB19/ALB30)	 were	
run	with	a	first	denaturation	step	at	95°C	(5	min)	followed	by	35	
cycles	at	95°C	(1	min),	58°C	(1	min)	and	72°C	(1	min)	and	a	dena‐
turation	step	at	72°C	for	4	min	(Carter	et	al.,	2008).	One	μL	of	PCR	
product	was	denatured	 in	a	mix	of	10	μl	 formamide	and	0.24	μL 
600	Liz	marker	before	being	run	on	an	ABI	PRISM	3500	sequencer	
(Life	Technologies).

2.3 | Data cleaning and initial population genetics

Alleles	 were	 scored	 using	 genemapper	 V4.1	 (Applied	 Biosystems).	
Ambiguous	 genotypes	were	 re‐amplified	 and	 re‐scored	 once	 and,	
if	still	unclear,	were	excluded	from	further	analyses.	The	frequency	
of	null	alleles	at	each	locus	and	for	each	population	was	calculated	
using	freena	(Chapuis	&	Estoup,	2007).	Loci	for	which	the	mean	es‐
timate	of	null	allele	frequency	was	higher	than	10%	were	discarded.	
Thus,	out	of	the	15	loci	used	for	the	genotyping,	2	were	discarded	
(ALB35	 and	ALB40)	 and	13	were	 kept	 for	 the	 analyses.	 Expected	
(HE)	 and	 observed	 heterozygosity	 (H0),	 as	 well	 as	 the	mean	 num‐
ber	 of	 alleles	 per	 locus	 in	 a	 population	 (AN),	were	 computed	with	
genalex	6.501	 (Peakall	&	Smouse,	2012).	The	mean	allelic	 richness	
per	 locus	 in	 each	 population	 (AR)	 and	 the	 private	 allelic	 richness	
were	computed	by	rarefaction	using	hp‐rare	 to	correct	bias	due	to	
unequal	 sample	 sizes	 (Kalinowski,	 2005).	 Deviation	 from	 Hardy–
Weinberg	equilibrium	for	each	locus	and	each	population,	as	well	as	
the	fixation	index	FIS,	was	calculated	using	genepop	4.2	(Raymond	&	
Rousset,	1995).	The	difference	between	native	and	invasive	FIS	was	
tested	using	 a	 Student	 t	 test.	 Linkage	disequilibrium	between	 loci	
for	each	population	was	tested	with	genetix	4.05.2	 (Belkhir,	Borsa,	
Chikhi,	Raufaste,	&	Bonhomme,	2004),	and	a	sequential	Bonferroni	
procedure	was	applied	 to	 the	 results,	 as	 suggested	by	Verhoeven,	
Simonsen,	 and	McIntyre	 (2005).	All	 analyses	using	 freena,	genalex,	
hp‐rare and genepop	were	conducted	on	populations	with	more	than	
10	sampled	individuals	(29	populations	in	total).

2.4 | Population genetic structure and clustering

Pairwise	FST	 values	 (Weir	&	Cockerham,	 1984)	were	 calculated	 in	
freena	with	or	without	the	Excluding	Null	Allele	(ENA)	method.	This	
method	 corrects	 for	 the	 positive	 bias	 induced	 by	 the	 presence	 of	
null	alleles	on	FST	estimation	and	provides	accurate	estimates	of	FST 
in	the	presence	of	null	alleles.	An	exact	test	for	genotypic	differen‐
tiation	was	computed	with	genepop	4.2	for	each	pair	of	populations.
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The	genetic	structure	of	the	sampled	populations	was	 inferred	
with	 the	 Bayesian	 model‐based	 cluster	 analysis	 implemented	 in	
structure	 2.3.4	 (Pritchard,	 Stephens,	 &	 Donnelly,	 2000)	 on	 the	
global	data	set,	as	well	as	on	each	continental	subset	 (Asia,	North	
America	 and	 Europe).	 The	 admixture	model	with	 correlated	 allele	
frequencies	was	used,	and	the	geographic	origin	of	populations	was	
not	 considered	as	prior.	Each	 run	consisted	of	 a	burn‐in	period	of	
200,000	 iterations,	 followed	 by	 1,000,000	 Markov	 Chain	 Monte	
Carlo	(MCMC)	iterations.	Twenty	independent	runs	were	performed	
for	each	K	value,	the	number	of	genetic	clusters,	testing	from	K = 1 
to	 13	 for	 the	 sub‐data	 sets	 and	 from	 1	 to	 30	 for	 the	 global	 data	
set.	The	most	 likely	values	of	K	were	determined	as	 suggested	by	
Janes	et	al.	(2017):	first,	the	maximal	mean	and	small	standard	devi‐
ation	of	the	posterior	probability	of	K	among	runs	were	considered	
(Pritchard	et	al.,	2000);	ΔK	(Evanno,	Regnaut,	&	Goudet,	2005)	was	
then	computed	using	structure harvester	 (Earl	&	von	Holdt,	2012),	
and	 a	 decision	was	made	 considering	 the	 alterations	 of	 individual	
assignments	with	 increasing	K	 values.	clumpak	 (Kopelman,	Mayzel,	
Jakobsson,	Rosenberg,	&	Mayrose,	2015)	was	used	to	check	for	mul‐
timodality	of	the	results	given	by	the	20	runs	of	structure. clumpak	is	
based	on	a	Markov	clustering	algorithm	that	enables	the	generation	
of	consensus	solutions	for	each	K	by	grouping	runs	on	the	basis	of	
their	similarity.	For	a	given	value	of	K,	runs	are	either	all	very	similar,	
resulting	 in	one	single	consensus	 solution,	or	 they	differ,	 resulting	
in	one	majority	mode	 (i.e.,	 the	consensus	solution	for	the	majority	
of	the	runs)	and	one	or	several	minority	modes	(i.e.,	the	consensus	
solution	for	the	remaining	runs).	Spatial	distribution	of	the	defined	
genetic	clusters	in	populations	of	each	continent	was	mapped	with	
arcgis 10.4.1.

Individuals	were	probabilistically	assigned	to	their	continent	of	
origin	(Asia,	North	America	or	Europe)	using	a	discriminant	analysis	
of	principal	components	(DAPC)	with	the	adegenet	v.	2.0	(Jombart,	
2008)	package	of	r	v.	3.2.2	(R	Core	Team,	2015).	First,	multivariate	
genetic	data	were	transformed	into	principal	components	(PCs)	and	
the	 optimal	 number	 of	 PCs	was	 determined	with	 cross‐validation	
(Jombart,	Devillard,	&	Balloux,	2010).	Thereafter,	ALB	groups	were	
predefined	 according	 to	 the	 continent	 of	 origin	 of	 the	 specimens	
and	 were	 then	 plotted	 along	 the	 first	 two	 discriminant	 functions	
of	the	analysed	PCs.	In	addition,	the	DAPC	was	performed	without	
prior	assignments	to	the	geographic	groups,	so	that	the	number	of	
clusters	 (K)	 that	 best	 describe	 the	 data	was	 chosen	 based	 on	 the	
minimal	 Bayesian	 Information	Criterion	 (BIC).	 Finally,	 an	 unrooted	
Neighbour‐Joining	(NJ)	tree	(Saitou	&	Nei,	1987)	was	built	with	the	
software	 treemaker	 using	 100,000	 bootstrap	 replicates	 and	 the	
Cavalli‐Sforza	and	Edwards	(1967)	chord	distance.

2.5 | ABC‐based inferences about 
colonization history

Approximate	Bayesian	 computation	 (ABC;	 Beaumont	 et	 al.,	 2002)	
analyses	were	used	to	 infer	 the	 invasion	history	of	ALB.	All	popu‐
lations	 used	 in	 ABC	 scenarios	 were	 chosen	 according	 to:	 (a)	 the	
number	of	 sampled	 individuals	 (between	6	 and	42	 specimens);	 (b)	

for	the	native	populations,	their	genetic	proximity	to	sampled	inva‐
sive	populations	(Table	2;	Supporting	information	Table	S1);	(c)	their	
heterozygosity	level,	 in	order	to	maximize	diversity	within	samples	
(Table	1);	(d)	their	geographic	location,	in	order	to	cover	most	of	the	
native	and	invaded	ranges	(Table	1	and	Figure	1).	In	the	native	area,	
populations	also	had	to	belong	to	distinct	genetic	clusters	accord‐
ing	 to	 the	 structure	membership	 probabilities	 and	NJ	 tree	 results	
(Figure	2;	Supporting	information	Figure	S1).

Based	 on	 the	 genetic	 structure	 observed	 in	 the	 native	 range	
(see	Section	3),	three	populations	from	Asia	were	used	as	potential	
sources	for	the	invaded	range	(populations	28	and	32	in	China	and	
population	41	 in	South	Korea).	These	populations	comprised	 large	
numbers	of	specimens,	originated	from	geographically	distant	areas	
and	were	assigned	to	different	genetic	clusters	(Figure	2;	Supporting	
information	Figure	S1).	This	made	 it	possible	 to	cover	most	of	 the	
geographic	range	in	Asia	and	to	consider	a	large	part	of	the	native	
genetic	diversity.	North	America	was	the	first	invaded	zone,	and	one	
population	from	that	continent	was	selected	(population	21)	to	esti‐
mate	its	most	probable	origin	and	to	test	for	a	bridgehead	scenario	
for	European	invasion.	This	population	was	among	the	first	detected	
in	the	USA	in	1998	(EPPO	Global	Database,	2016),	and	it	was	sam‐
pled	a	year	after	its	detection	(Table	1).	Even	though	it	was	kept	in	
captivity	for	five	generations	(Supporting	information	Table	S2),	the	
reared	colony	was	based	on	a	large	number	of	specimens	(Table	1)	
that	must	have	contributed	to	the	preservation	of	the	genetic	diver‐
sity	of	the	population.	The	other	North	American	populations	were	
not	included	in	the	analysis,	either	because	they	had	too	few	sam‐
ples	or,	in	cases	where	the	population	was	sampled	in	a	laboratory	
colony,	because	too	few	individuals	were	used	to	initially	form	the	
colony.	 The	 focus	was	 set	 on	European	 invasion	 history,	 and	 four	
populations	were	chosen,	 that	 is	Gien	 (France,	population	19;	 first	
recorded	in	2003),	Marly	(Switzerland,	population	12;	first	recorded	
in	2014),	Divonne‐les‐Bains	(France,	population	9;	first	recorded	in	
2016)	 and	Furiani	 (France,	Corsica,	 population	1;	 first	 recorded	 in	
2015).	These	European	populations	were	chosen	based	on	field	ob‐
servations	 of	 their	 possible	 establishment	 and	 the	 substantial	 du‐
ration	of	their	presence	in	Europe.	They	were	assigned	to	different	
genetic	 clusters	 according	 to	 the	 structure	 analysis	 (Figure	 2)	 and	
were	also	 scattered	 in	 the	NJ	 tree	 (Supporting	 information	Figure	
S1).	When	 it	was	 impossible	 to	avoid	 the	use	of	 laboratory‐reared	
populations,	populations	with	the	largest	number	of	founder	individ‐
uals	sampled	in	the	natural	population	were	selected.

Six	nested	sets	of	invasion	scenarios	were	analysed	sequentially:	
after	each	analysis,	a	new	population	was	added	to	the	most	likely	
scenario	(Supporting	information	Figure	S2),	following	the	method‐
ology	described	by	Fraimout	et	al.	 (2017).	The	scenario	topologies	
were	based	on	the	dates	of	first	observation.	However,	as	the	date	of	
first	observation	does	not	necessarily	correspond	to	the	actual	date	
of	 introduction,	a	five‐year	uncertainty	 (Favaro,	Battisti,	&	Faccoli,	
2013)	was	 included	by	 the	choice	of	priors	 (ti	 in	Supporting	 infor‐
mation	Table	S3).	In	all	scenarios,	the	three	native	populations	were	
derived	from	an	ancestral	unsampled	population.	Each	introduction	
event	was	followed	by	a	bottleneck	that	ranged	in	duration	from	0	
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to	10	years	(Supporting	information	Table	S3).	In	our	ABC	analyses,	
historical,	demographic	and	mutational	parameter	values	for	simula‐
tions	were	drawn	from	prior	distributions,	as	described	in	Supporting	
information	Table	 S3,	 and	 various	 conditions	were	 set	 in	 order	 to	
avoid	impossible	topologies;	for	example,	the	introduction	event	of	
an	invasive	population	could	not	be	anterior	to	the	formation	of	its	
source	population.	Generation	time	was	set	at	one	generation	per	
year,	as	suggested	by	Meng,	Hoover,	and	Keena	(2015).	As	proposed	
by	Lombaert	et	al.	(2011),	substructuring	was	simulated	in	the	native	
area	in	order	to	consider	the	risk	that	the	true	source	population	was	
not	sampled	precisely	using	ghost	populations.	The	scenarios	are	de‐
scribed	in	detail	in	Supporting	information	Figure	S2.

The	 first	 analysis	 (Analysis	 1;	 Supporting	 information	 Figure	
S2)	questioned	the	native	origin	of	the	North	American	population	
(population	 21).	 Once	 the	 most	 likely	 scenario	 was	 inferred,	 the	

population	from	the	oldest	sampled	outbreak	in	Europe	(population	
19:	Gien,	France)	was	added	for	the	second	ABC	analysis	 (Analysis	
2;	 Supporting	 information	 Figure	 S2).	 This	 population	 could	 have	
originated	 either	 from	one	of	 the	 three	 native	 populations	 in	Asia	
or	 from	the	 invasive	North	American	population.	Similarly,	popula‐
tion	12	(Marly,	Switzerland;	detected	in	2014)	was	added	in	the	third	
ABC	 analysis	 (Analysis	 3;	 Supporting	 information	 Figure	 S2).	 Even	
though	this	population	was	officially	detected	 in	2014,	 there	 is	 in‐
direct	evidence	that	it	is	actually	the	source	population	for	popula‐
tion	11	(Brünisried,	Switzerland;	detected	in	2011).	Indeed,	the	EPPO	
report	 states	 that	 “trace‐back	 studies	 revealed	 that	 during	winter	
2010/2011	 firewood	 was	 transferred	 from	 Marly	 to	 Brünisried	
where	adult	beetles	were	 subsequently	 captured	 in	 autumn	2011”	
(EPPO	 Global	 Database).	 Our	 results	 support	 this	 hypothesis	 be‐
cause	the	two	populations	are	strongly	related	 (the	population	dif‐
ferentiation	is	not	significant	(Supporting	information	Table	S1),	the	
structure	results	indicate	that	the	two	populations	cluster	together	
for	all	K	values	(Figure	2),	and	the	FST	between	the	two	populations	
is	low	(Table	2;	Supporting	information	Table	S4)).	Therefore,	for	the	
construction	of	our	 scenarios	we	assumed	 that	population	12	was	
introduced	 at	 the	 latest	 in	 2011.	 The	 two	 most	 recently	 invasive	
European	populations	(population	1	in	Furiani,	France	and	population	
9	in	Divonne‐les‐Bains,	France)	were	added	independently	(Analyses	
4a	 and	 4b;	 Supporting	 information	 Figure	 S2)	 because	 their	 dates	
of	first	detection	were	very	close	together.	As	several	years	may	be	
necessary	 to	detect	 a	new	ALB	population	 (Favaro	et	 al.,	 2013),	 it	
was	indeed	not	possible	to	formally	determine	which	of	these	most	
recent	 invasions	 occurred	 first.	 The	 aim	 of	 the	 final	 ABC	 analysis	
(Analysis	 5)	 was	 therefore	 to	 check	whether	 these	 two	 European	
populations	 (1	 and	 9)	 were	 introduced	 independently.	 Moreover,	
it	 tested	 the	 independence	of	 the	 introductions	of	populations	12	
(Marly,	Switzerland)	and	1	(Corsica,	France)	(Supporting	information	
Figure	S2).	 Indeed,	as	 these	 last	 two	populations	were	assumed	to	
have	been	introduced	four	years	apart,	they	did	not	meet	our	five‐
year	uncertainty	criterion.

Although	 admixture	 in	 the	 recent	 invasion	history	 of	 this	 spe‐
cies	with	a	low	dispersal	ability	can	only	happen	under	very	specific	
conditions	 (human‐mediated	dispersal	or	geographically	close	out‐
breaks),	we	carried	out	an	additional	 set	of	analyses	 that	 included	
the	same	scenarios	and	populations	as	described	above,	as	well	as	
admixture	events	between	all	possible	pairs	of	source	populations.

Summary	 statistics	 used	 in	 each	 ABC	 analysis	 included	 one‐
sample	summary	statistics	(the	mean	number	of	alleles	per	locus,	
the	 mean	 genic	 diversity,	 the	 mean	 size	 variance	 and	 the	 mean	
Garza‐Williamson's	 M;	 Garza	 &	 Williamson,	 2001),	 two‐sample	
summary	 statistics	 (the	 mean	 number	 of	 alleles	 per	 locus,	 the	
mean	genic	diversity,	the	mean	size	variance,	the	pairwise	FST,	the	
classification	 index,	 the	 shared	 allele	 distance	 and	 the	 (dµ)2 dis‐
tance),	 and	 an	 admixture	 summary	 statistic	 (the	maximum	 likeli‐
hood;	Choisy,	Franck,	&	Cornuet,	2004).	A	random	forest	algorithm	
was	used	 to	 compare	 the	 scenarios,	 as	described	by	Pudlo	et	 al.	
(2016).	This	method	enables	efficient	discrimination	among	models	
and	gives	an	estimate	of	posterior	probabilities	of	the	best	model,	

F I G U R E  1  Distribution	of	ALB	populations	and	their	defined	
genetic	clusters	inferred	by	structure	analysis	within	each	sampled	
continent:	in	Asia	(a),	North	America	(b)	and	Europe	(c),	for	each	
most	relevant	value	of	K.	The	numbers	correspond	to	populations	
used	in	the	study
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while	being	computationally	less	intensive	than	polychotomous	lo‐
gistic	 regression	 of	 ABC	 algorithms.	 Briefly,	 it	 creates	 a	 “forest”	
of	bootstrapped	decision	 trees	 to	 classify	 scenarios	on	 the	basis	
of	 the	 summary	 statistics	 of	 the	 simulated	 data	 sets.	 Some	 sim‐
ulations	are	not	used	 to	build	 the	 trees	and	can	 thus	be	used	 to	
cross‐validate	 the	analysis	by	computing	a	 “prior	error	 rate.”	The	
robustness	of	this	method	for	reconstructing	 invasion	routes	has	
been	 demonstrated	 in	 previous	 studies	 (Fraimout	 et	 al.,	 2017;	
Pudlo	et	al.,	2016).

A	 total	 of	 20,000	 microsatellite	 data	 sets	 were	 simulated	 for	
each	 scenario	 using	 diyabc	 2.1.0	 (Cornuet	 et	 al.,	 2008).	 The	 rele‐
vance	of	prior	settings	was	checked	by	comparing	the	distributions	
of	simulated	statistics	and	the	observed	values.	Based	on	the	sum‐
mary	statistics	of	the	simulated	data	sets,	1,000	decision	trees	were	
constructed	using	 the	r	package	abcrf	 (v1.1.0;	Pudlo	et	al.,	2016),	
and	the	observed	data	set	was	submitted	to	each	of	the	trees.	The	
analysis	then	provided	a	classification	vote	for	each	scenario,	which	
stands	for	the	number	of	times	the	considered	scenario	is	selected	
among	the	1,000	decision	trees.	The	scenario	with	the	highest	clas‐
sification	 vote	was	 selected	 as	 the	most	 likely	 scenario.	 The	 pos‐
terior	 probability	 of	 this	 scenario	was	 then	 estimated	 based	 on	 a	
second	 random	 forest	 procedure	 of	 1,000	 trees,	 as	 described	 by	
Pudlo	et	al.	(2016).

Two	final	 steps	were	conducted	 to	evaluate	 the	 robustness	of	
the	ABC	scenario	choice.	First,	 the	prior	error	rate	was	computed	
based	 on	 the	 out‐of‐bag	 simulations.	 Using	 diyabc,	 500,000	 data	
sets	were	 re‐simulated,	 using	 the	most	probable	model	 according	
to	the	ABC‐RF	analysis.	The	resulting	observed	values	of	summary	
statistics	were	compared	to	1,000	simulated	values	from	data	sets	
for	which	parameters	were	drawn	from	their	posterior	distribution	
(posterior	model	checking).	Finally,	posterior	distributions	of	param‐
eters	were	estimated	 for	 the	 final	 selected	 scenario	using	10,000	
simulated	data	sets	under	a	 regression	by	random	forest	method‐
ology	(Raynal	et	al.	2018,	arXiv),	with	classification	forests	of	1,000	
trees.

Second,	all	ABC	analyses	were	performed	a	second	time	with	an‐
other	set	of	native	sample	sites	(the	alternative	data	set;	Supporting	
information	 Table	 S2),	 representative	 of	 the	 genetic	 clusters	
(Figure	2;	Supporting	information	Figure	S1),	that	corresponded	to	
the	first	selected	sample	sites	 (the	core	data	set),	as	suggested	by	
Lombaert	et	al.	 (2014).	 In	most	cases,	 it	was	 impossible	 to	choose	
alternative	samples	 for	 the	 invasive	populations.	 In	 the	USA,	each	
population	was	assigned	to	a	specific	cluster	in	the	structure	analysis	
(Figure	2),	which	was	 confirmed	by	 the	NJ	 tree	 (Supporting	 infor‐
mation	Figure	S1).	 In	Europe,	only	two	out	of	the	four	populations	
could	have	replaced	the	ones	used	in	the	core	data	set	(population	1	
belonged	to	the	same	cluster	as	populations	2	to	5,	and	population	
12	 grouped	with	 population	 11;	 Figure	 2;	 Supporting	 information	
Figure	S1).

Finally,	posterior	distributions	of	parameters	were	estimated	for	
the	most	probable	scenario.	Durations	are	given	in	number	of	gener‐
ations,	and	all	parameters	are	summarized	in	Supporting	information	
Table	S5.TA
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3  | RESULTS

3.1 | Preliminary analyses

The	expected	heterozygosity	ranged	from	0.071	to	0.406	for	inva‐
sive	 populations	 and	 from	 0.021	 to	 0.465	 for	 native	 populations.	
Average FIS	 values	were	higher	 in	 the	native	 area	 than	 in	 the	 two	
invaded	 continents	 (Table	 1,	p	<	0.01).	 A	 heterozygote	 deficit	was	
detected	in	22	populations,	including	13	in	Asia,	2	in	North	America	
and	7	in	Europe,	and	all	loci	but	three	(ALB	10,	ALB	19	and	ALB	44)	
showed	significant	deviation	from	Hardy–Weinberg	equilibrium.	The	
corrected	allelic	richness	for	all	loci	and	per	population	ranged	from	
1.45	 to	 2.26	 in	 the	 invasive	 populations	 and	 from	1.10	 to	 2.77	 in	
the	native	populations.	A	total	of	19	populations	(12	Asian,	2	North	
American	and	5	European)	 showed	private	alleles,	with	a	 richness	
ranging	from	0.01	to	0.26	after	rarefaction.	Linkage	disequilibrium	
was	observed	for	three	pairs	of	loci,	but	statistical	support	for	their	
nonrandom	 associations	 was	 not	 consistent	 across	 populations.	
Detailed	summary	statistics	for	each	population	are	listed	in	Table	1.

3.2 | Population genetic structure and clustering

Pairwise	FST	values	were	high	overall	but	were	 lower	within	the	na‐
tive	range	than	within	the	 invaded	range	(Table	2).	Pairwise	FST val‐
ues	estimated	with	(Table	2)	or	without	(Supporting	information	Table	

S4)	correcting	for	the	presence	of	null	alleles	were	similar.	Population	
pairs	showing	the	lowest	pairwise	FST	values	(<0.15)	always	included	at	
least	one	Asian	population	(Table	2),	except	for	two	Swiss	populations	
(populations	11	and	12)	and	two	Corsican	populations	(populations	1	
and	2).	Population	differentiation	was	statistically	significant	(p	<	0.05)	
for	820	out	of	903	(~90%)	of	the	pairwise	comparisons	(nonsignificant	
results	 are	given	 in	Supporting	 information	Table	S1).	However,	 the	
cluster	analysis	of	the	DAPC	also	clearly	showed	that	specimens	from	
Asia	 largely	 overlapped	 with	 North	 American	 and	 European	 speci‐
mens,	confirming	the	genetic	proximity	of	 the	populations	from	the	
different	continents	(Supporting	information	Figure	S3).

The	NJ	tree	(Supporting	information	Figure	S1)	revealed	a	weak	
pattern	 of	 association	 between	 the	 clustering	 of	 populations	 and	
their	geographic	origin,	and	the	majority	of	bootstrap	values	were	
less	than	50.	In	the	native	zone,	populations	from	NorthEast	China	
grouped	together	(populations	27,	28,	29	and	39).	Strong	bootstrap	
support	(72%)	was	observed	for	a	common	clade	for	two	geographi‐
cally	close	populations	from	Switzerland	(populations	11	and	12)	and	
for	South	Korean	populations	(40	and	41).	The	Corsican	populations	
(1	to	5)	also	grouped	together.

Replicate	structure	runs	 led	to	one	major	solution	for	all	K	values	
and	to	minor	solutions	for	values	from	K = 3	(i.e.,	genuine	multimodality;	
Jakobsson	&	Rosenberg,	2007;	Supporting	information	Figure	S4).	The	
high	likelihood,	but	still	small	standard	deviation,	of	the	posterior	prob‐
ability	of	K	among	runs	increased	up	to	the	maximum	tested	number	of	

F I G U R E  2  Representation	of	structure	membership	probabilities	of	individuals	belonging	to	a	specific	cluster	(marked	by	different	
colours).	Only	the	K	values	having	the	highest	ΔK	values	are	shown.	For	each	sub‐data	set,	the	barplot	at	the	most	likely	K	value	is	framed	
in	black,	the	others	correspond	to	the	other	highest	values	of	ΔK.	Various	simulations	for	each	K	value	were	summarized	using	clumpak	(only	
the	major	mode	is	shown)
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clusters	in	the	global	ALB	population	data	set	(Supporting	information	
Figure	S5).	The	first	largest	difference	in	log‐likelihood	among	different	
K	numbers	(i.e.,	ΔK	peak)	revealed	that	the	strongest	signal	of	genetic	
subdivision	 in	 the	 global	 population	 of	ALB	was	 already	 apparent	 at	
K	=	3.	However,	analysis	of	alterations	 in	 individual	assignment	prob‐
abilities	with	increasing	K	values	suggested	that	there	were	numerous	
nested	clusters	within	each	continent,	which	 in	 turn	made	 it	difficult	
to	determine	the	number	of	genetic	clusters	for	the	global	ALB	popu‐
lation	(Figure	2a).	The	structure	analysis	for	each	continent	separately	
(Figure	2;	Janes	et	al.,	2017)	showed	that	in	the	Asian	sub‐data	set,	the	
high	mean	likelihood	and	small	standard	deviation	of	the	posterior	prob‐
ability	of	K	among	ran	up	to	the	maximum	tested	cluster	number	(13)	in	
our	data.	However,	meaningful	assignments	to	clusters	with	increasing	
K	values	were	observed	up	to	K	=	11,	whereas	higher	cluster	numbers	
showed	rather	partition	of	probabilities	among	different	individuals	and	
no	confident	representation	of	new	cluster	by	at	least	one	whole	indi‐
vidual	(Supporting	information	Figure	S4a).	In	addition,	considering	the	
second	highest	difference	of	 log‐likelihood	among	different	K	 values	
(ΔK	peak	at	K	=	8)	we	assumed	presence	of	8	clusters	in	Asian	popu‐
lations.	 In	 the	North	American	sub‐data	set,	 the	maximum	 likelihood	
and ΔK	was	at	K	=	5.	 In	addition,	alterations	of	 individual	assignment	
probabilities	showed	that	no	individual	was	fully	assigned	to	additional	
cluster	with	increasing	K	values	above	this	number.	Thus,	we	assumed	
presence	of	5	genetic	clusters	in	North	American	populations.	Finally,	
the	high	mean	likelihood	with	small	standard	deviation	among	runs	and	
pattern	 of	 individual	 assignments	with	 increasing	K in	 the	 European	
data	set	showed	meaningful	clustering	in	some	populations,	that	is	in	
Corsican	populations	(France,	from	1	to	5)	and	in	Marly	and	Brünisried	
(Switzerland,	populations	11	and	12),	up	to	12	nested	clusters	in	Europe.	
However,	 considering	 the	 highest	 difference	of	 log‐likelihood	 among	
different	K	(ΔK	peak	at	K	=	9)	and	in	order	not	to	overestimate	the	pres‐
ence	of	nested	clusters,	we	assumed	9	genetic	clusters	were	reasonable	
to	 describe	 the	 genetic	 structure	 in	 European	 populations.	 For	 each	
continent,	we	further	sampled	from	these	genetic	clusters	three	rep‐
resentative	populations	from	Asia,	one	from	North	America	and	four	
from	Europe	to	be	included	in	the	ABC	analyses.	Similar	to	the	struc‐
ture	 analysis,	 the	DAPC	analysis	 showed	consistently	 low	BIC	values	
for	cluster	numbers	higher	than	K	=	22	(Supporting	information	Figure	
S6).	The	pattern	of	probabilistic	assignments	to	the	defined	clusters	was	
overall	congruent	with	structure	results	and	confirmed	a	complex	ge‐
netic	population	structure	of	the	global	ALB	population.

In	the	native	area,	except	for	differentiation	along	a	north–south	
gradient	between	the	northeastern	populations	(South	Korean	pop‐
ulations	40	and	41,	and	to	a	lesser	extent	Chinese	populations	27,	28,	
29	and	39)	and	all	other	populations	supported	by	the	structure anal‐
yses,	no	clear	pattern	of	geographical	distribution	of	the	genotypes	
could	be	identified	(Figure	2;	Supporting	information	Figure	S4).	In	
North	America,	the	structure	analysis	assigned	the	three	Canadian	
populations	(24,	25	and	26)	to	a	single	cluster,	regardless	of	the	level	
of	K.	 In	 Europe,	 the	 same	 analyses	 revealed	 that	 some	 geograph‐
ically	 close	 populations	 were	 interconnected,	 specifically	 the	 two	
Swiss	populations	in	Marly	and	Brünisried	(11	and	12)	and	the	five	
Corsican	populations	(1	to	5).	Notably,	all	but	four	individuals	from	

the	 French	 population	 in	 Divonne‐les‐Bains	 (9)	 were	 grouped	 to‐
gether	in	a	single	cluster,	with	high	posterior	probabilities	(Figure	2;	
Supporting	information	Figure	S4).

3.3 | Invasion scenarios

Comparisons	of	the	distribution	of	simulated	summary	statistics	with	
values	from	the	observed	core	data	set	showed	that	the	combination	
of	scenarios	and	priors	that	we	chose	was	relevant:	for	the	six	analyses,	
between	3.4%	and	7.1%	of	the	observed	statistics	were	in	the	tails	of	
the	probability	distribution	of	statistics	calculated	from	prior	simula‐
tions	(at	a	5%	significance	threshold).	Random	forest	votes,	posterior	
probabilities	for	the	most	 likely	scenarios	and	details	of	 the	ABC‐RF	
analysis	 results	 are	 given	 in	 Table	 3	 (and	 in	 Supporting	 information	
Table	S6	for	scenarios	including	admixture).	The	consistency	between	
results	based	on	the	core	and	alternative	data	sets	for	all	but	one	analy‐
sis,	as	well	as	the	moderate	prior	error	rates	and	the	large	differences	in	
terms	of	RF	votes	(Table	3),	indicates	a	reasonable	level	of	confidence	
in	the	choice	of	scenarios.	Note	that	high	FIS values	should	not	chal‐
lenge	ABC	analyses,	as	demonstrated	by	Lippens	et	al.	(2017).

Analysis	1,	which	investigated	the	origin	of	the	North	American	
population	 (population	 21),	 clearly	 indicated	 that	 the	 species	most	
likely	originated	from	NorthCentral	China	(NC	China	in	Table	3,	pop‐
ulation	 32).	 Analysis	 2	 suggested	 that	 the	 oldest	 sampled	 invasive	
French	 population	 (Gien,	 detected	 in	 2003)	 most	 likely	 originated	
from	North	America.	The	Swiss	population	in	Marly	(population	12),	
which	was	detected	in	2014	but	was	probably	introduced	in	2011	or	
earlier	(Section	2.5;	EPPO	Global	Database,	2016),	likely	has	a	Korean	
origin;	 this	 finding	was	 strongly	 supported	by	NJ	clustering	 results	
(Supporting	 information	 Figure	 S1).	 Analyses	 4a	 and	 4b,	which	 fo‐
cused	on	two	very	recently	identified	French	populations	(1	and	9),	
suggested	that	they	both	originated	from	a	native	population	in	Asia.	
Analysis	5	showed	that	these	two	new	populations	were	probably	in‐
troduced	independently,	as	were	the	Corsican	and	the	Swiss	popula‐
tions	(populations	1	and	12).	Population	9	(Divonne‐les‐Bains,	France)	
may	 have	 originated	 from	NorthEast	 China,	 whereas	 the	 Corsican	
populations,	depending	on	the	data	set,	were	found	to	be	connected	
to	either	NorthEast	China	(core	data	set)	or	NorthCentral	China	(al‐
ternative	data	set).	The	posterior	model	checking	performed	on	the	
final	scenario	(i.e.,	the	one	from	analysis	5)	indicated	that	the	chosen	
model	and	posteriors	fitted	the	observed	genetic	data	closely.	None	
of	the	424	observed	values	of	summary	statistics	were	within	the	tail	
of	the	probability	distribution	of	statistics	calculated	from	the	poste‐
rior	simulation	at	a	5%	significance	threshold	(Supporting	information	
Table	S7	and	Figure	S7).	The	global	invasion	routes	inferred	from	our	
ABC‐RF	analyses	are	summarized	in	Figure	3.

The	set	of	analyses	that	included	admixture	events	yielded	the	
same	results	for	the	ABC	analyses	1,	2,	3	and	5	 (Supporting	 infor‐
mation	 Table	 S6).	 In	 the	 cases	 of	 analyses	 4a	 and	 4b,	 admixture	
scenarios	 were	 selected	 but	 posterior	 probabilities	 were	 low	 and	
associated	with	markedly	strong	prior	error	 rates;	 this	 finding	was	
further	confirmed	by	discrepancies	in	the	results	depending	on	the	
data	set	used.	In	these	analyses	4a	and	4b,	it	is	noteworthy	that	the	
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parental	populations	always	 included	at	 least	one	population	 from	
the	Asian	native	range,	which	is	consistent	with	the	results	without	
admixture.	Given	the	very	high	prior	error	rates	of	all	these	analy‐
ses	(from	54.1%	to	64.4%),	and	considering	their	general	agreement	
with	results	obtained	from	analyses	without	admixture,	we	will	not	
discuss	these	results	further.

Estimations	 of	 posterior	 distributions	 of	 parameters	 for	 the	
most	 probable	 scenario	 are	 given	 in	 Supporting	 information	Table	
S5.	 The	mean	 time	 for	 all	 three	 native	 populations	 to	merge	with	
their	native	ancestral	population	was	between	145	and	161	gener‐
ations.	 The	 estimated	mean	 effective	 size	was	 comparable	 across	
native	and	invasive	populations	(between	2,235	and	2,813	individ‐
uals),	 except	 for	 the	Korean	 population,	 for	which	mean	 effective	
size	was	estimated	at	221	specimens	(population	41,	Pocheon).	All	
five	 invasive	populations	experienced	a	mean	bottleneck	of	4.5	to	
6.9	generations,	with	a	mean	effective	number	of	founders	ranging	
from	5	specimens	(population	19,	Gien	and	population	1,	Corsica)	to	
30	specimens	(population	12,	Marly).	Bottleneck	severity	(i.e.,	 [du‐
ration	 of	 bottleneck	×	parental	 population	 size]/effective	 number	
of	founders)	ranged	from	114	(Marly,	Switzerland,	population	12)	to	
4,422	(Divonne,	France,	population	9).

4  | DISCUSSION

The	 global	 invasion	 history	 of	 the	 Asian	 long‐horned	 beetle	 A. 
glabripennis	shows	one	of	the	possible	patterns	of	invasive	quaran‐
tine	pest	spread	across	continents.	Our	study	is	the	first	to	shed	light	
on	the	worldwide	invasion	scenario	of	ALB	by	analysing	populations	
from	both	native	and	invaded	ranges.	We	used	recently	developed	
ABC‐RF	procedures	to	retrace	the	main	invasion	routes,	by	analysing	
data	in	the	light	of	field	observations	and	previous	phylogeographic	
studies	(Carter	et	al.,	2010;	Javal,	Roques	et	al.,	2017).	Although	we	

could	not	infer	the	specific	history	of	each	population	with	sufficient	
statistical	support,	we	were	able	to	provide	an	overall	outline	of	the	
global	 invasion	 scenario.	 Our	 findings	 suggest	 the	 occurrence	 of	
multiple	introductions	from	the	native	range	coupled	with	a	bridge‐
head	event,	both	contributing	to	the	worldwide	spread	of	ALB.

4.1 | Genetic structure in the native range

In	the	native	range	of	ALB	(mainly	China	and	Korea),	population	ge‐
netics	 analyses	 revealed	 a	 rather	 low	 diversity	within	 populations	
and	a	strong	differentiation	among	most	of	them.	Clustering	analy‐
ses	indicated	differentiation	along	a	north–south	gradient	between	
the	northeastern	populations	 (27–29,	39–41)	and	all	other	popula‐
tions.	This	geographic	structuring	was	highlighted	 in	several	other	
studies	on	ALB	in	its	native	range	(An	et	al.,	2004;	Carter	et	al.,	2009;	
Javal,	Roques	et	al.,	2017),	and	it	might	have	resulted	from	the	low	
natural	dispersal	capability	of	ALB	adults	(Smith,	Bancroft,	Li,	Gao,	&	
Teale,	2001;	Smith,	Tobin,	Bancroft,	Li,	&	Gao,	2004).	However,	de‐
mographic	events	and	human‐mediated	translocations	seem	to	have	
attenuated	the	putative	global	ancestral	structure.	Indeed,	no	clear	
geographic	pattern	was	identified	in	the	structure	analysis,	although	
FIS	values	were	particularly	high,	indicating	a	high	level	of	inbreeding	
in	the	native	populations.	This	blurred	geographic	genetic	structure	
is	 uncommon	 for	 populations	 in	 their	 native	 ranges,	whose	 struc‐
ture	is	usually	shaped	by	multiple	factors	that	constrain	gene	flow,	
such	as	biogeography	and	natural	barriers	(Goldberg	&	Lande,	2007;	
Hewitt,	2000).	In	previous	studies,	this	particular	genetic	structure	
has	been	considered	to	reflect	human‐mediated	population	translo‐
cations	at	a	very	large	scale,	mainly	across	China	(Carter	et	al.,	2009;	
Javal,	 Roques	 et	 al.,	 2017).	 The	 considerable	 reforestation	 efforts	
undertaken	by	the	Chinese	government	in	the	early	1980s	resulted	
in	the	movement	and	plantation,	mainly	in	the	northern	part	of	the	
country	(Pan,	2005),	of	trees	(mainly	Populus	spp.)	that	were	possibly	

F I G U R E  3   (a)	Schematic	representation	of	the	most	probable	final	scenario	based	on	Analysis	5	(posterior	probability	=	0.653).	Dashed	
lines	correspond	to	unsampled	(ghost)	populations,	and	the	thin	line	on	each	introduced	population	represents	a	bottleneck.	Population	
numbers	are	given	in	brackets.	(b)	Summary	of	the	global	invasion	scenario	inferred	from	our	analysis.	Green	arrows	indicate	invasions	from	
the	native	area,	and	the	red	arrow	represents	the	bridgehead	hypothesis.	p‐values	for	each	analysis	are	given	with	the	corresponding	arrow.	
The	coloured	circles	indicate	the	populations	used	for	the	ABC‐RF	analysis.	Invasive	and	native	areas	are	indicated	by	codes	(NCC:	North	
Central	China;	NEC:	North	East	China;	SK:	South	Korea;	NA:	North	America;	EU:	Europe)
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already	infested	by	ALB.	Conversely,	both	clustering	and	population	
genetics	analyses	have	shown	that	 in	South	Korea,	which—in	con‐
trast	to	China—was	not	involved	in	a	reforestation	programme,	na‐
tive	ALB	populations	form	a	differentiated	cluster.

Estimation	 of	 posterior	 distributions	 of	 parameters	 of	 the	 se‐
lected	invasion	scenario	enabled	the	formation	of	several	hypothe‐
ses	that	can	be	discussed	in	the	light	of	the	species’	biology,	as	well	
as	its	history	in	the	native	area.	First,	the	very	low	effective	size	of	
the	Korean	populations	used	in	the	ABC	analysis	distinguishes	them	
from	the	other	native	populations	and	supports	the	singularity	of	the	
Korean	sampling	area.	The	Korean	samples	originated	from	a	natural	
forest	that	was	most	likely	dominated	by	nonhost	species	(e.g.,	coni‐
fers	and	oaks;	Lee,	Kang,	&	Park,	2004)	for	ALB	(Sjöman	et	al.,	2014).	
This	might	have	influenced	the	population	genetic	structure	of	ALB	
by	 affecting	 spread	 and	 reproduction.	 Second,	 the	 merge	 events	
between	 the	studied	native	populations	and	 their	native	ancestral	
populations	were	estimated	to	have	occurred	about	150	generations	
ago	(which	corresponds	to	roughly	150	years,	according	to	Meng	et	
al.,	2015).	Therefore,	a	reasonable	hypothesis	is	that	ALB	population	
expansion	 in	Asia	 really	 started	at	 that	date.	 Interestingly,	despite	
the	high	uncertainty	associated	with	parameter	estimations,	 these	
assumptions	are	supported	by	historical	events.	Indeed,	records	of	
ALB	in	China	date	back	to	the	Qing	Dynasty,	which	lasted	from	the	
end	of	the	17th	until	the	beginning	of	the	20th	century.	The	country	
remained	relatively	isolated	from	international	trade	until	the	19th	
century	and	started	to	open	its	borders	during	the	mid‐1850s.	This	
gradual	 opening	was	most	 likely	 associated	with	 increased	move‐
ment	of	goods	and	people	across	the	country,	which	could	have	fa‐
voured	human‐mediated	dispersal	 of	ALB.	The	 timing	of	 this	 shift	
matches	the	expansion	time	estimated	by	our	analysis.	All	of	these	
results	need	further	investigation,	but	they	indicate	a	complex	his‐
tory	prior	to	the	first	invasion,	most	likely	including	recent	contact	
within	the	native	range	between	historically	isolated	populations.

4.2 | Evidence of a complex worldwide 
invasion scenario

In	North	America,	ALB	was	detected	for	the	first	time	in	1996	in	the	
USA	 (Haack	et	 al.,	 1996)	 and	 then	 in	2003	 in	Canada	 (Turgeon	et	
al.,	2015).	The	invasion	of	this	area	is	thought	to	have	resulted	from	
distinct	introductions,	followed	in	some	cases	by	a	secondary	spread	
(Carter	et	al.,	2010).	The	invasion	history	in	North	America	could	not,	
however,	be	specifically	tested	in	this	study,	owing	to	limited	sam‐
pling	in	the	USA	and	Canada.	Europe	was	the	second	continent	to	be	
invaded	by	ALB,	and,	following	the	first	detection	of	an	established	
population	in	Austria	in	2001,	infestations	and	interceptions	at	entry	
points	have	been	 reported	 regularly	 (EPPO	Global	Database).	 The	
high	 frequency	of	 these	 reports,	 as	well	 as	 the	distribution	of	mi‐
tochondrial	 haplotypes	 (Javal,	 Roques	 et	 al.,	 2017),	 has	 suggested	
that	the	European	infestation	was	most	likely	due	to	multiple	inde‐
pendent	introductions.	The	high	FST	values	in	our	study	support	this	
hypothesis.	Most	importantly,	the	ABC	analyses	confirm	that	most	
of	the	studied	European	populations	have	different	origins	and	that	

three	out	of	the	four	European	populations	analysed	were	likely	in‐
troduced	independently	from	the	native	area.

Unexpectedly,	the	population	in	Gien,	France	(population	19)	is	an	
exception:	 it	may	have	originated	from	an	 invasive	population	from	
the	USA,	rather	than	from	the	Asian	native	range	as	hypothesized	in	
previous	publications	(Cocquempot,	Prost,	&	Carmignac,	2003;	EPPO	
Global	Database).	Some	field	observations	further	support	this	possi‐
bility:	the	Gien	population	that	is	thought	to	have	received	the	bridge‐
head	population	from	North	America	was	first	detected	in	a	location	
hosting	an	American	company	(Cocquempot	et	al.,	2003).	This	bridge‐
head	scenario,	in	which	a	North	American	invasive	population	would	
be	a	source	for	a	European	infestation,	has	been	described	for	several	
other	invasive	insect	species	(Garnas	et	al.,	2016;	Hurley	et	al.,	2016;	
Lombaert	et	al.,	2010;	Yang	et	al.,	2012).	The	identified	pathway	il‐
lustrates	the	possibility	of	secondary	human‐mediated	spread	among	
invaded	areas,	even	for	quarantine	pests.	This	scenario,	together	with	
the	multiple	introductions	from	Asia,	may	have	implications	in	terms	
of	management	because	it	could	help	direct	early	detection	efforts	
towards	material	coming	from	all	 infested	areas.	Indeed,	the	identi‐
fication	of	such	scenarios	emphasizes	the	need	to	consider	not	only	
the	native	range,	but	also	other	invaded	areas	to	prevent	or	at	least	
reduce	the	risk	of	further	ALB	introductions.

Interestingly,	this	bridgehead	scenario	could	not	be	inferred	from	
previous	studies	(Javal,	Roques	et	al.,	2017).	Indeed,	based	on	a	single	
mtDNA	marker,	 the	 French	population	of	Gien	 (population	19)	 ap‐
peared	genetically	homogeneous	and	distinct	from	any	other	popula‐
tion,	including	the	North	American	population.	In	some	cases,	it	can	
be	more	challenging	to	infer	an	evolutionary	history	from	mitochon‐
drial	DNA	data	than	from	nuclear	DNA	data,	owing	to	the	occurrence	
of	selective	sweeps,	inherited	symbionts	or	genetic	drift	affecting	the	
whole	mtDNA	genome,	and	because	mitochondrial	DNA	is	only	ma‐
ternally	 inherited	and	nonrecombinant	 (Galtier,	Nabholz,	Glémin,	&	
Hurst,	2009).	For	these	reasons,	mtDNA‐based	phylogeography	can	
hardly	be	used	to	infer	invasion	pathways.	Overall,	our	results	illus‐
trate	the	value	of	a	multilocus	approach	to	tracking	invasion	routes.

Secondary	displacements	of	ALB	within	invaded	zones	have	al‐
ready	been	 suggested	by	 the	distribution	of	haplotypes	 in	 certain	
areas	(Javal,	Roques	et	al.,	2017).	In	Canada,	more	specifically,	clus‐
tering	analyses	based	on	nuclear	markers	support	the	hypothesis	of	
strong	 connections	 between	 the	 different	 outbreaks	 and	 confirm	
the	results	based	on	mitochondrial	markers	showing	that	the	same	
haplotype	 (or	 for	 one	 specimen,	 a	 very	 close	 one)	was	 present	 in	
all	populations	(Javal,	Roques	et	al.,	2017).	Therefore,	the	Canadian	
populations	may	have	originated	 either	 from	a	 single	 introduction	
(Carter	et	al.,	2010)	followed	by	local	spread	(Turgeon	et	al.,	2015),	
or	from	multiple	introductions	of	closely	related	founders.	Similarly,	
in	Europe,	pairs	of	populations	in	Corsica	(populations	1	and	2)	and	
in	Switzerland	(11	and	12)	had	low	FST	values	and	shared	the	same	
mitochondrial	haplotype	 (Javal,	Roques	et	al.,	2017).	These	results	
suggest	either	a	human‐mediated	or	a	natural	stepping‐stone	disper‐
sal	in	the	invaded	area	at	a	small	spatial	scale,	even	though	multiple	
introductions	from	the	same	source	population	cannot	be	excluded.	
In	 Switzerland,	 secondary	 dispersal	 has	 been	 documented,	 and	 a	
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trace‐back	 field	 investigation	 suggested	 that	 beetles	 from	 Marly	
(population	 12)	 were	 transported	 to	 Brünisried	 (population	 11)	 in	
infested	firewood	(EPPO	Global	Database;	Meier	et	al.,	2015).	The	
low	 genetic	 differentiation	 between	 these	 two	 Swiss	 populations	
supports	the	hypothesis	of	small‐scale,	human‐mediated	dispersal.	
Similarly,	anthropogenic	factors,	such	as	transfer	via	cars,	might	have	
facilitated	the	establishment	of	different	infestations	in	Corsica.	The	
Corsican	populations	are,	however,	geographically	very	close	(<5	km	
apart),	 and	 the	possibility	of	natural	dispersal	 cannot	be	 ruled	out	
(Javal,	 Roux,	 Roques,	 &	 Sauvard,	 2017;	 Lopez,	 Hoddle,	 Francese,	
Lance,	&	Ray,	2017).	To	conclude,	these	concrete	examples	suggest	
that	ALB	 is	 easily	 transported	 and	dispersed.	As	 the	physiological	
flying	capabilities	of	the	species	are	known	(Javal,	Roux	et	al.,	2017;	
Lopez	et	al.,	2017),	it	would	be	interesting	to	understand	the	natural	
dispersal	behaviour	of	ALB	in	 its	 invaded	environment,	and	how	it	
could,	combined	with	vector‐mediated	dispersal,	affect	the	genetic	
structure	of	the	invasive	populations.	More	specifically,	natural	dis‐
persal	by	 flying	could	effectively	produce	genetic	 isolation	by	dis‐
tance	and	human‐mediated	dispersal	could	produce	a	more	random	
pattern,	 resulting	 in	 a	 complex	 pattern	 at	 a	 local	 scale.	 These	 ad‐
ditional	analyses	would	 require	more	 intensive	sampling	but	could	
provide	detailed	scenarios	for	each	invaded	area.

4.3 | How did the invasion scenario shape ALB's 
genetic structure and invasion success?

Invasion	 history	 can	 strongly	 influence	 the	 success	 of	 long‐term	
establishment	 of	 invasive	 populations	 (Dlugosch	 &	 Parker,	 2008;	
Estoup	et	al.,	2016).	When	introduced	into	a	new	area	outside	their	
native	range,	 invasive	populations	may	experience	a	severe	bottle‐
neck	 (Dlugosch	 &	 Parker,	 2008;	 Edmonds,	 Lillie,	 &	 Cavalli‐Sforza,	
2004;	Estoup,	Wilson,	Sullivan,	Cornuet,	&	Moritz,	2001;	Peischl	&	
Excoffier,	2015)	that	jeopardizes	their	adaptive	abilities	by	decreasing	
their	genetic	diversity	(Dlugosch	&	Parker,	2008;	Facon	et	al.,	2006).	
Multiple	 introductions	 can	 maintain	 or	 even	 increase	 the	 genetic	
diversity	of	 invasive	populations	and,	 consequently,	 their	ability	 to	
face	new	environmental	constraints	(Dlugosch	&	Parker,	2008).	Our	
analyses	show	that	the	European	ALB	infestation	most	 likely	origi‐
nated	from	different	source	populations,	located	in	the	native	range	
of	 the	 species	 (China,	Korea)	but	also	 in	a	previously	 invaded	area	
(North	America).	The	invasion	history	of	ALB	has	thus	maximized	the	
likelihood	of	introducing	genetically	different	specimens.	As	a	result,	
allelic	richness	is	similar	in	invasive	and	native	ranges,	indicating	that	
the	multiple	introductions	may	have	effectively	helped	maintain	di‐
versity	in	the	invaded	zone	at	the	same	level	as	in	the	native	zone.

In	the	case	of	ALB,	however,	our	findings	show	that	multiple	intro‐
ductions	occurred	at	a	continental	scale	and	only	rarely	within	the	same	
outbreak.	Indeed,	within	single	outbreaks,	population	genetic	analyses	
revealed	 low	 diversity	 levels.	 Only	 one	 (population	 9,	 Divonne‐les‐
Bains,	France)	out	of	the	19	European	populations	analysed	showed	
a	genetic	pattern	suggesting	an	admixture	of	 individuals	from	differ‐
ent	 source	 populations,	 according	 to	 the	 structure	 results.	 As	most	
existing	ALB	outbreaks	 in	Europe	are	separated	by	 large	geographic	

distances	that	cannot	be	covered	by	natural	dispersal	(Javal,	Roux	et	
al.,	2017;	Lopez	et	al.,	2017),	and	as	human‐mediated	dispersal	seems	
to	be	quite	 rare,	admixture	between	genetically	distinct	populations	
is	not	expected,	at	 least	for	now.	Thus,	 invasive	ALB	populations	on	
the	European	continent	cannot	take	advantage	of	the	aforementioned	
effects	of	introductions	from	genetically	different	source	populations.

Our	analyses	showed	a	strong	population	structuration	in	the	in‐
vaded	area	and,	to	a	 lesser	extent,	 in	the	native	area.	This	may	indi‐
cate	limited	gene	flow	between	populations,	mostly	due	to	the	biology	
and	the	low	dispersal	of	the	species,	both	in	its	natural	environment	
(Sawyer,	 2009;	 Smith	 et	 al.,	 2001,	 2004)	 and	 in	 its	 invaded	 range	
(Fragnière,	 Forster,	 Hölling,	Wermelinger,	 &	 Bacher,	 2018).	 High	 FIS 
values	and	deviation	from	Hardy–Weinberg	suggested	a	high	level	of	
inbreeding	within	populations	in	both	the	native	and	the	invaded	areas,	
resulting	from	mating	primarily	among	closely	related	individuals.

Although	 low	 genetic	 diversity	 and	 a	 high	 level	 of	 inbreeding	
within	invasive	populations	would	rather	suggest	a	reduced	ability	of	
ALB	to	rapidly	face	new	environments,	numerous	introduced	pop‐
ulations	have	become	successfully	established	in	the	new	environ‐
ment.	Indeed,	our	set	of	results	[low	level	of	genetic	diversity,	large	
inbreeding	 coefficient	 values	within	native	populations,	 low	num‐
ber	of	founders	and	large	differences	in	the	severity	of	bottlenecks	
encountered	by	introduced	populations]	suggest	that	the	species	is	
generally	only	weakly	affected	by	 the	adverse	effects	of	 inbreed‐
ing.	Overall,	its	particular	demography	and	its	apparent	high	natural	
tolerance	 to	 inbreeding	may	be	partly	 responsible	 for	 the	success	
of	ALB	invasions.	It	can	also	be	hypothesized	that	the	reproductive	
pattern	and	the	resulting	inbreeding	could	have	favoured	the	purg‐
ing	 of	 some	 deleterious	 alleles	 by	 selecting	 individuals	with	 a	 fa‐
vourable	association	of	alleles,	potentially	in	the	native	area	before	
the	 invasion	 process	 (Facon	 et	 al.,	 2011).	 This	 particular	 situation	
could	also	result	from	the	fact	that	the	introduced	populations	have	
not	yet	faced	adaptive	challenges	in	their	invasive	range	(Estoup	et	
al.,	2016).	The	introduced	populations	might	also	be	pre‐adapted	to	
their	 invaded	environment	because	of	similar	host	availability	and	
climatic	conditions.	Indeed,	host	availability	is	not	compromised	in	
the	invaded	range,	as	most	Asian	host	tree	species	are	also	planted	
at	high	densities	in	North	America	and	in	Europe.	However,	further	
long‐term	experiments	and	observations	are	needed	to	test	 these	
hypotheses.	The	large	range	of	bottleneck	severities	computed	for	
the	invasive	population	reinforces	the	hypothesis	of	a	high	tolerance	
to	genetic	diversity	loss,	but	it	also	highlights	the	fact	that	the	con‐
ditions	of	 introduction	can	be	very	different	 from	one	population	
to	another	 in	 terms	of	numbers	of	 individuals	 introduced	but	also	
regarding	the	intensity	and	duration	of	bottlenecks.

The	 success	 of	 ALB	 invasions	 may	 also	 be	 partially	 due	 to	 the	
human‐mediated	displacement	of	populations	in	the	native	area	during	
the	reforestation	programme	in	China	(Pan,	2005).	These	displacements	
may	have	contributed	to	the	dispersal	of	particularly	resilient	popula‐
tions,	as	suggested	by	the	abundance	of	certain	haplotypes	in	the	na‐
tive	area	(Javal,	Roques	et	al.,	2017).	They	may	also	have	enabled	the	
formation	of	new	genotypes	by	admixture	between	populations	that	
were	historically	genetically	isolated.	The	admixed	genotypes	may	have	
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subsequently	 been	 accidentally	 introduced	 into	 North	 America	 and	
Europe,	enabling,	for	instance,	the	species	to	cope	with	a	wide	range	
of	climatic	conditions	regardless	of	its	precise	native	zone.	Overall,	our	
findings	open	up	many	new	perspectives	and	underline	the	importance	
of	a	parsimonious	study	of	the	native	range	of	an	invasive	alien	species	
to	better	understand	the	success	of	its	invasion	worldwide.
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