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Abstract  26 

Plant litter chemistry is altered during decomposition but it remains unknown if these alterations, 27 

and thus the composition of residual litter, will change in response to climate. Selective microbial 28 

mineralization of litter components and the accumulation of microbial necromass can drive litter 29 

compositional change, but the extent to which these mechanisms respond to climate remains 30 

poorly understood. We addressed this knowledge gap by studying needle litter decomposition 31 

along a boreal forest climate transect. Specifically, we investigated how the composition and/or 32 

metabolism of the decomposer community varies with climate, and if that variation is associated 33 

with distinct modifications of litter chemistry during decomposition. We analyzed the composition 34 

of microbial phospholipid fatty acids (PLFA) in the litter layer and measured natural abundance 35 

δ13CPLFA values as an integrated measure of microbial metabolisms. Changes in litter chemistry 36 

and δ13C values were measured in litterbag experiments conducted at each transect site. A warmer 37 

climate was associated with higher litter nitrogen concentrations as well as altered microbial 38 

community structure (lower fungi:bacteria ratios) and microbial metabolism (higher δ13CPLFA). 39 

Litter in warmer transect regions accumulated less aliphatic-C (lipids, waxes) and retained more 40 

O-alkyl-C (carbohydrates), consistent with enhanced 13C-enrichment in residual litter, than in 41 

colder regions. These results suggest that chemical changes during litter decomposition will 42 

change with climate, driven primarily by indirect climate effects (e.g. greater nitrogen availability 43 

and decreased fungi:bacteria ratios) rather than direct temperature effects. A positive correlation 44 

between microbial biomass δ13C values and 13C-enrichment during decomposition suggests that 45 

change in litter chemistry is driven more by distinct microbial necromass inputs than differences 46 

in the selective removal of litter components. Our study highlights the role that microbial inputs 47 

during early litter decomposition can play in shaping surface litter contribution to soil organic 48 

matter as it responds to climate warming effects such as greater nitrogen availability. 49 

 50 

1. Introduction 51 

Plant detritus (litter) inputs are a key factor shaping soil properties including the amount 52 

of soil organic matter (SOM) stored in a given soil, as well as its chemical composition. Global 53 

aboveground litterfall accounts for 20-25 Pg carbon (C) annually (Matthews, 1997). 54 

Approximately 80% of the foliar litter C decomposes rapidly (within months to years) while the 55 

residual C is introduced into the soil system (Prescott, 2010). These inputs replenish SOM stocks 56 

(Prescott, 2010), but also stimulate the decomposition of other, less labile SOM components 57 

(‘priming effect’; Kuzyakov et al., 2000; Löhnis, 1926). The chemical composition of these inputs 58 

is an important determinant of the extent to which these inputs support SOM accrual or 59 

decomposition (Chao et al., 2019; Cotrufo, Wallenstein, Boot, Denef, & Paul, 2013; Liu et al., 60 

2020; Qiao et al., 2016; Stewart, Moturi, Follett, & Halvorson, 2015) and a key driver of the 61 

chemical and biological properties of SOM (Kohl et al., 2018; Quideau et al., 2001; VandenEnden 62 

et al., 2018). Predicting future SOM stocks and properties therefore requires knowledge of how 63 

litter inputs will change with climate in the future. Such an analysis depends on understanding not 64 
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only how climate influences the quantity and composition of litter produced by vegetation, but 65 

also how climate affects the abundances of litter decay products that can become part of the SOM 66 

reservoir. 67 

Traditionally, researchers have assumed that litter chemistry converges during 68 

decomposition, i.e., initially distinct litter becomes more similar with advancing decomposition 69 

(Berg & McClaugherty, 2008; Coûteaux, Bottner, & Berg, 1995; Mathers, Jalota, Dalal, & Boyd, 70 

2007; Preston, Nault, & Trofymow, 2009; Quideau, Graham, Oh, Hendrix, & Wasylishen, 2005). 71 

This assumption implies that the chemistry of litter residuals can be predicted based upon the 72 

chemical composition of fresh litter and mass loss alone, independent of the climate under which 73 

decomposition occurs or its direct or indirect influence on microbial decomposers in the soil 74 

surface. Several recent studies, in contrast, have demonstrated that the conditions during 75 

decomposition can affect how litter chemistry changes during decomposition (Baumann et al., 76 

2009; Glassman et al., 2018; Morrison et al., 2019; Wang et al., 2019; Wickings et al., 2011, 2012). 77 

The decomposition of initially identical plant litter at sites subjected to different land management 78 

practices, for example, resulted in chemically distinct litter residuals during late decomposition 79 

(Wickings et al., 2011, 2012). Similarly, the chemical composition of the residual litter following 80 

laboratory incubation depended on N fertilization prior to incubation, particularly in low-N litter 81 

types (Baumann et al., 2009). All such studies, however, were conducted under experimentally 82 

manipulated conditions. It therefore remains unclear if real-world climate change will have a 83 

sufficiently strong impact on environmental conditions (e.g., temperature and moisture) or 84 

ecosystem processes (e.g. nutrient availability and vegetation composition; Melillo et al., 2011; 85 

Philben et al., 2016) to change how litter chemistry is modified during decomposition. In our recent 86 

study of a boreal forest climate transect, we found that despite similar C chemistry of fresh needle 87 

litter across climate regions, depth profiles suggested that differences in SOM chemistry along the 88 

transect resulted from distinct organic matter inputs to these soils (Kohl et al., 2018). While some 89 

differences in the SOM chemistry could be attributed to different proportions of moss and vascular 90 

plant inputs, it remained unclear if part of these differences resulted from climate impacts on the 91 

decomposition of needle litter, which can contribute 30-53% to the SOM content of boreal forest 92 

soils (Clemmensen et al., 2013).  93 

Climate can affect the litter decomposition process, and thus the composition of needle 94 

litter residuals, by changing the composition and metabolism of the microbial community 95 

(Glassman et al., 2018; Morrison et al., 2019). In a simple model, changes in needle litter chemistry 96 

can be conceptualized as the result of two processes: microbial catabolism, that is, the loss of litter 97 

components due to mineralization in support of microbial respiration; and microbial anabolism, 98 

which results in the addition of inputs of secondary microbial compounds (i.e., necromass, 99 

consisting of e.g., cell wall polymers, extracellular polymeric substances, and excreted protein) to 100 

decomposing litter (Fig. 1a). Therefore, there are two main ways in which climate may shape litter 101 

residual chemistry via altered microbial community composition and physiology. First, microbial 102 

decomposers excrete extracellular enzymes that break down plant polymers like lignin, cellulose, 103 

or protein into soluble monomers that are amenable to microbial metabolisms (Sinsabaugh et al., 104 
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2011; Mooshammer et al., 2014). The catabolism of litter-degrading microorganisms therefore 105 

controls which litter components are preferentially degraded or preserved during decomposition 106 

(Moorhead & Sinsabaugh, 2006; Fig 1b). Kinetic theory and laboratory experiments have shown 107 

that increasing temperatures can shift microbial substrate use towards compounds with higher 108 

activation energy (Biasi et al., 2005; Conant et al., 2011; Li et al., 2012), whereas N addition shifts 109 

substrate use towards the decomposition of more labile C sources (Craine et al., 2007). In boreal 110 

forests, where a warmer climate can be associated with greater N availability (Philben et al., 2016), 111 

direct (temperature) and indirect (greater N availability) climate effects can represent 112 

counteracting effects on the residual needle litter chemistry.  Second, microorganisms convert 113 

plant compounds into secondary microbial compounds, many of which can be more resistant to 114 

degradation than the initial plant compounds (Schimel & Schaeffer, 2012) and constitute a large 115 

proportion of the organic matter pool in soils (Grandy & Neff, 2008; Kindler et al., 2006; Miltner 116 

et al., 2009; Schurig et al., 2012). Climate induced changes to the composition or physiology of 117 

the decomposer community have the potential to change its overall anabolism, i.e. how the 118 

community allocates litter C towards different intra- and extracellular compounds. These changes 119 

in anabolism can influence the chemical composition of needle litter residues if they change the 120 

composition of microbial necromass (Fig. 1c) or the amount of secondary microbial compounds 121 

produced per substrate consumed (Fig. 1d; Schimel & Schaeffer, 2012).  122 

Further, climate changes that shift fungi:bacteria ratios may affect the chemical 123 

composition of needle litter residuals through changes in selective decomposition (Fig 1b), 124 

necromass composition (Fig. 1c), and quantity of necromass added to litter per litter mass lost (Fig. 125 

1d). Such changes in fungi:bacteria ratios with climate are likely given that the warming of boreal 126 

forests can be associated with greater N availability (Björn Berg & Meentemeyer, 2002; Philben 127 

et al., 2016), which can in turn lead to a decrease in fungi:bacteria ratios (Grosso et al., 2016; 128 

Högberg et al., 2007). Fungi and bacteria differ in both biomass composition (e.g. cell wall 129 

structures (Kögel-Knabner, 2002)) and metabolic capabilities (Strickland & Rousk, 2010). Fungi 130 

are believed to express a broader set of extracellular enzymes (Schneider et al., 2010, 2012) and 131 

fungal biomass has a greater C:N ratio (Sterner & Elser, 2002) which can coincide with a higher 132 

C use efficiency (CUE) (Keiblinger et al., 2010; Waring et al., 2013). This is consistent with model 133 

simulations and experimental results showing that microbial communities with high fungi:bacteria 134 

ratios sequestrate more litter C into (non-living) SOC than communities with low fungi:bacteria 135 

ratios (Malik et al., 2016; Waring et al., 2013). Generating a better understanding of how 136 

fungi:bacteria ratios influence the litter decomposition process, and if this influence is dominated 137 

by selective decomposition or distinct necromass inputs, is an important step towards 138 

understanding the effect of microbial community structure on SOM formation and chemistry.  139 

One tool useful for linking organic matter chemistry and microbial metabolism is stable 140 

carbon isotope (δ13C) analysis. Due to isotopic fractionation during biosynthesis (Fogel & 141 

Cifuentes, 1993), δ13C values vary among distinct plant compounds, such that the δ13C values of 142 

distinct compound classes in the same plant tissues differ by 10-14‰ (B Glaser, 2005). As a 143 

general trend, more labile compounds exhibit higher δ13C values than classes of compounds 144 
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typically considered to turn over more slowly (e.g. pectin > hemicellulose > amino acids and sugars 145 

> cellulose > lignin > lipids/waxes; Glaser, 2005). During litter decomposition, the δ13C value of 146 

the residual litter changes. The direction and degree of this change, however, differs among litter 147 

types, representing the accumulation of 13C-enriched and 13C-depleted compound classes (Preston 148 

et al., 2009). Similarly, the δ13C value of microbial biomass (δ13Cbiomass) reflects the δ13C of the 149 

substrates that a microorganism has consumed and the isotope fractionation associated with its 150 

metabolism (Blair et al., 1985; Lehmeier, Ballantyne, Min, & Billings, 2016). The δ13C of 151 

biomarkers specific to living microbial biomass, like phospholipid fatty acids (PLFA), can be used 152 

to determine how δ13Cbiomass values of broad groups of microorganisms like Gram positive (G+) 153 

and Gram negative (G-) bacteria or fungi vary among samples. Such measurements provide a tool 154 

for making inferences about the C sources used by different microbial groups (Abraham et al., 155 

1998; Cifuentes & Salata, 2001; e.g., Coffin et al., 1990) and microbial biomass contributions to 156 

SOM formation (Kohl et al., 2015).  157 

Here, we measured the abundance and δ13C values of microbial biomarkers at the litter 158 

layer to investigate how a warmer climate will alter patterns of litter decomposition and whether 159 

such impacts are caused by changes to microbial necromass input or to microbes’ selective 160 

removal (i.e., mineralization) of litter components. Our study was conducted in the Newfoundland 161 

and Labrador Boreal Ecosystem Latitudinal Transect (NL-BELT), a well-constrained climate 162 

transect of mesic balsam fir forests in Atlantic Canada. In this transect, warmer sites served as a 163 

scenario for how colder transect sites will develop in a future warmer and wetter climate (Table 164 

1). With this approach, we address three hypotheses about how climate warming, as simulated in 165 

the NL-BELT, affects the litter decomposition process.  166 

(1) A warmer and wetter climate promotes lower fungal relative to bacterial abundances in, and 167 

thus differences in the metabolic capacity of, the decomposer community.  168 

(2) Through decreased fungi:bacteria ratios, a warmer and wetter climate promotes modifications 169 

of litter chemistry during decomposition that are distinct from those in a cooler climate.  170 

(3) Regionally distinct litter chemistry results from some combination of differences in the 171 

amount or composition of secondary microbial compounds in decaying litter (i.e., variation in 172 

the consequences of CUE and/or microbial anabolism), rather than variation in the selective 173 

degradation of litter constituents (i.e., variation in the consequences of microbial altered 174 

catabolism). 175 

 176 

2. Materials and methods 177 

2.1. Field sites 178 

The NL-BELT climate transect is located in western Newfoundland and southeastern 179 

Labrador (Canada; Supporting Information S1). Detailed descriptions of the transect have been 180 

published previously (Kohl et al., 2015, 2018; Laganière, Podrebarac, Billings, Edwards, & 181 
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Ziegler, 2015; Ziegler et al., 2017). Within the NL-BELT transect, more southern sites are 182 

characterized by greater mean annual temperatures (MAP, 5.2 ˚C), and precipitation (MAP, 1575 183 

mm) compared to more northern sites (0.0 ˚C MAT, 1040 mm MAP; Table 1). These differences 184 

in temperature and precipitation are in the range of the climatic changes predicted for this region 185 

until the end of the 21st century (Price et al., 2013; van Oldenborgh et al., 2013), such that the 186 

southernmost sites of the transect provide a realistic scenario for the future development of its 187 

northernmost sites over the current century. Annual water availability, defined as MAP minus 188 

potential evapotranspiration, was higher in more southern (897 mm a-1) than more northern sites 189 

(644 mm a-1). However, the southernmost transect sites exhibited similar soil moisture as the 190 

northernmost ones (Supporting Information S2) suggesting water availability is similar across 191 

these regions despite the differences in precipitation. The southern sites, furthermore, exhibited 192 

greater nitrogen (N) concentrations in foliage, litter, and soils, likely due to accelerated N cycling 193 

(Philben et al., 2016).  194 

For this study we used three climate regions of the transect, which will be referred to as the 195 

‘cold’, ‘mid’, and ‘warm’ region. In each region, the transect consists of 3 field sites that are 196 

located within mature balsam fir (Abies balsamea) stands on well drained podzolic soils (Table 1). 197 

The sites exhibit no signs of previous harvest or afforestation, and therefore represent incarnations 198 

of A. balsamea forests that have developed under distinct climate regimes. At each site, 3 circular 199 

long term study plots 10 m in diameter (27 plots in total) were established previously (Laganière 200 

et al., 2015). 201 

2.2.Surface soil phospholipid fatty acid (PLFA) analysis 202 

To study how the abundance of major microbial groups and their metabolic strategies (C 203 

sources and/or C allocation) varied among transect sites, we measured the composition and δ13C 204 

values of phospholipid fatty acids (PLFAs) in the litter layer of each transect site, that is the top 1-205 

2 cm of the forest floor consisting of recognizable plant material. All samples were collected in 206 

June 2011. For each plot, three pieces (20x10 cm) were cut from the organic layer after removing 207 

all living vegetation, and each piece was further cut into two 10x10 cm subsamples. We then 208 

manually separated the litter layer (Oi or L horizon), i.e., the top 1-2 cm of organic matter 209 

consisting of recognizable plant remains, from the deeper organic layer. The litter layer samples 210 

from each plot were then combined into two composite samples for chemical and microbiological 211 

analysis, resulting in two sets of 27 samples. One set of samples, intended for PLFA analysis, was 212 

stored on ice in the field, frozen at the end of each field day, and freeze dried before long-term 213 

storage. The freeze-dried samples were then ground with mortar and pestle before PLFA 214 

extraction. The other set, intended for chemical analysis was kept cold (4˚C) during the field 215 

campaign and then air-dried and ball-milled (Retsch M200) prior to analysis.  216 

Bulk soil analysis (%C, %N, δ13Cbulk) was conducted by elemental analysis isotope ratio 217 

mass spectrometry (EA/IRMS, Carlo Erba NA1500 Series II, Thermo DeltaV Plus). The 218 

instrument precision (2 standard deviations (σ)) for δ13C was <0.5‰ with a mean offset <0.2‰ to 219 

certified values (Kohl et al., 2015). The PLFA analysis was conducted as outlined in the supporting 220 
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information of Kohl et al., (2015), which developed based on several previous methods (Abrajano, 221 

Murphy, Fang, Comet, & Brooks, 1994; Cooke, Talbot, & Farrimond, 2008; Cooke, Talbot, & 222 

Wagner, 2008; Frostegård, Tunlid, & Baarth, 1993; White & Ringelberg, 1998; Ziegler, White, 223 

Wolf, & Thoma, 2005). Briefly, samples were extracted with dichloromethane (DCM) / methanol 224 

(MeOH) / phosphate buffer (1:2:0.8). Phase separation was induced by adding DCM and 225 

phosphate buffer and the lower, organic phase was collected, dried, and taken up in DCM. 226 

Phospholipids were isolated by solid phase extraction over a silica phase. After eluting neutral and 227 

glycolipids with DCM and acetone, phospholipids were eluted with MeOH and 228 

DCM:MeOH:water (3:5:2). Phospholipids were then converted to the fatty acid methyl esters 229 

(FAMEs) by alkaline methanolysis and analysed by gas chromatography flame ionization 230 

detection (Agilent 6890A) for quantification and gas chromatography isotope ratio mass 231 

spectrometry for stable isotope analysis (Agilent 6890N interfaces to Thermo Delta V+ IRMS via 232 

a Thermo GC-C III). The precision of this method (2σ) was <0.6‰ and the accuracy was <0.3‰. 233 

Selected samples were further analyzed by gas chromatography mass spectrometry (Agilent 234 

6890N GC, Agilent 5975C MS) to confirm peak identifications. We analyzed a total of 26 samples 235 

(one from each transect plot; one sample was lost during analysis, n=8-9 per region).  236 

In  each sample, we quantified 25 individual PLFA, which were assigned to six groups 237 

(Gram positive (G+) bacteria, Gram negative (G-) bacteria, actinobacteria, fungi, other eukaryotes, 238 

and non-specific; Supporting Information SI3). Based on this assignment, we calculated the molar 239 

ratio of fungal to bacterial (sum of G+, G-, and actinobacterial) PLFA (F:B). We report δ13C of 10 240 

individual PLFA per sample after correcting for methanol-derived C. Two of these PLFA are 241 

specific to G+ bacteria (i15:0, a15:0), four are specific to G- bacteria (16:17, 18:17, cy17:0, 242 

cy19:0), and two are specific to fungi (18:26 and 18:33). The remaining two PLFA (16:0, 243 

18:19) occur widespread in both fungi and bacteria (Frostegård et al., 2010; Grogan & Cronan, 244 

1997; Ruess & Chamberlain, 2010). To account for differences in soil δ13C values among transect 245 

sites and to study microbial biomass δ13C values relative to the available substrates, we calculated 246 

the differences between stable C isotope values of PLFA (δ13CPLFA) and the bulk δ13C value of the 247 

litter layer from which they were extracted (δ13Cbulk), such that Δ13CPLFA-bulk was defined as 248 

δ13CPLFA - δ13Cbulk (we use Δ13Ca-b to refer to differences between measured stable isotope values 249 

and εa-b to refer to derived enrichment factors and isotope effects in models). 250 

2.3.Changes in litter chemistry during decomposition 251 

To directly assess if climate affects changes in litter chemistry during decomposition, we 252 

conducted a 1-year litter decomposition experiment at each transect site. The experiments were 253 

designed to capture the sum of direct climate effects (i.e., temperature) and indirect climate effects 254 

mediated through changes in litter composition (i.e., greater %N in fresh litter from warmer 255 

regions). We therefore exposed local litter from each transect region to decomposition under the 256 

local climate. We did not attempt to distinguish between these direct and indirect effects in the 257 

current study. 258 



8 
 

 Needle foliage from the three sites in each region was collected from mature balsam forests 259 

trees (>10 cm dbh) in late August 2012, corresponding with the end of the growing season. The 260 

needles from each region were then mixed and 18 litter bags per region were each filled with 5g 261 

needles (equivalent air-dried weight). The litterbags measured 20x20cm and were constructed 262 

using woven polypropylene fabric (Lumite style 6065400) with 0.25 mm x 0.5 mm mesh 263 

(Trofymow & CIDET Working Group, 1998). Six such litterbags, containing the litter from the 264 

respective region, were placed at each of the nine field sites between late October and mid-265 

December 2012. The litterbags were pinned to the top of the forest floor with wire to ensure contact 266 

to the soil and retrieved after 11-12 months. Given the relatively large size of the litterbags 267 

compared to the amount of litter, we expect that the microclimate inside the litterbags fell within 268 

the range of natural environments at each site, although the environment within the bags 269 

experienced a delay in both wetting and drying conditions occurring in situ.  Litter from the warm 270 

and mid regions was retrieved slightly earlier than litter from the cold region, such that litter in all 271 

regions had undergone similar mass loss at the time of retrieval. The material in each retrieved 272 

litterbag was visually inspected to confirm the absence of extraneous material before further 273 

processing. Mass loss was determined by drying at 55 °C for 48h, and the samples were 274 

homogenized using a Wiley Mini Mill 3383-L20 (Thomas Scientific; mesh size 60) for further 275 

analyses. Elemental concentrations (%C, %N) and bulk δ13C values were analyzed by EA-IRMS 276 

as described above on 18 replicate litterbags per region (n=54) as well as duplicates of the initial 277 

litter from each region (n=6). Carbon loss was calculated based on %C and mass loss. Based on 278 

these results we estimated the stable isotope value of the lost litter fraction by mass balance 279 

according to Eq. 1, where flost represents the C loss as a fraction of the initial litter C. This estimate 280 

assumes that any introduction of extraneous C, e.g. with the ingrowth of fungal hyphae, was 281 

negligible. 282 

(1) 𝛿13𝐶𝑙𝑜𝑠𝑡 =
𝛿13𝐶𝑖𝑛𝑖𝑡𝑖𝑎𝑙−𝛿13𝐶𝑟𝑒𝑠𝑖𝑑𝑢𝑎𝑙∙(1−𝑓𝑙𝑜𝑠𝑡)

𝑓𝑙𝑜𝑠𝑡
  283 

We furthermore quantified the stable isotope fractionation effect εrL that characterizes the 284 

enrichment of 13C in residual litter, which was defined as  285 

(2) εrL =  (δ13Cresidual −  δ13Cinitial) ∙ 휁,  286 

where 휁 =
1−𝑓𝑙𝑜𝑠𝑡

𝑓𝑙𝑜𝑠𝑡
 287 

Cross polarization, magic-angle spinning solid state nuclear magnetic resonance (CP-MAS 288 

NMR; Barron et al., 1980) analysis was conducted as described previously (Kohl et al., 2018). For 289 

each region, we analyzed one sample of initial litter and three samples of decomposed litter that 290 

were pooled from the six replicate litter bags retrieved from each site. CP-MAS NMR 291 

measurements were conducted using a Bruker AVANCE II 600 MHz instrument with a 292 

MASHCCND probe. Samples were run at 600.33 MHz (1H) or 150.96 MHz (13C) and spun at 20 293 

kHz at 298 K. NMR spectra were analyzed after baseline subtraction and normalization to a 294 

constant total integrated area. Spectra were further deconvoluted based on a 19 peak model using 295 
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the software DM Fit (Massiot et al., 2002) and peaks were grouped into 8 functional groups (alkyl-296 

C, methoxy-C, O-alkyl-C, di-O-alkyl-C, aromatic C, phenolic C, carboxy-C) based on Wilson 297 

(1987) and Preston et al. (2009). Based on these results, we calculated the change in the relative 298 

abundance of each group relative to its initial abundance (Eq. 2). 299 

(3) %𝑐ℎ𝑎𝑛𝑔𝑒 = 100 ∙ (
𝑎𝑏𝑢𝑛𝑑𝑎𝑛𝑐𝑒 𝑖𝑛 𝑟𝑒𝑠𝑖𝑑𝑢𝑎𝑙 𝑙𝑖𝑡𝑡𝑒𝑟

𝑎𝑏𝑢𝑛𝑑𝑎𝑛𝑐𝑒 𝑖𝑛 𝑖𝑛𝑖𝑡𝑖𝑎𝑙 𝑙𝑖𝑡𝑡𝑒𝑟
− 1) 300 

 301 

2.3. Data analysis 302 

To test whether litter layer samples from the distinct transect regions differed in the 303 

biomass of different microbial groups, and/or microbial metabolic strategies (Hypothesis 1), we 304 

applied a one-way analyses of variance (ANOVA) and Tukey post-hoc tests to evaluate if the 305 

overall PLFA concentration, the relative abundance of PLFA associated with microbial groups, 306 

and the weighted mean Δ13CPLFA-bulk values differed among transect regions. We furthermore tested 307 

if C:N ratios of the litter layer and local litterfall (data from Kohl et al., 2018), the ratio of fungal 308 

to bacterial PLFA, and Δ13CPLFA-bulk values covaried using Pearson’s correlation tests. 309 

Differences in weighted mean Δ13CPLFA-bulk values among transect regions may indicate 310 

differences in the enrichment or depletion of 13C in biomass relative to bulk litter (εbiom-bulk) in one 311 

or more microbial groups, but can also result from changes in the relative abundance of microbial 312 

groups with contrasting εbiom-bulk values. For example, a decrease in fungi:bacteria ratio can cause 313 

a more depleted weighted mean Δ13CPLFA-bulk value even if the εbiom-bulk values of both fungi and 314 

bacteria remain constant. We therefore tested if the Δ13CPLFA-bulk values of each individual PLFA 315 

varied among climate regions by applying Kruksal-Wallis tests and Nemenyi post-hoc tests. We 316 

furthermore tested for covariance of N availability and microbial C isotope values by applying 317 

Spearman’s correlation test between C:N ratios of SOM and the Δ13CPLFA-bulk values of individual 318 

PLFA. We chose to use these non-parametric tests because they are less sensitive to outliers than 319 

the parametric tests we used to compare aggregated measures. 320 

Moreover, we applied one-way analyses of variance (ANOVAs) to test if changes in the 321 

relative abundance of functional groups during litter decomposition (%change) differed between 322 

transect regions (Hypothesis 2). We furthermore tested if daily litter mass loss rates, total mass 323 

loss, and total C loss differed between transect regions by applying a mixed effects model with 324 

region as a fixed effect and site within region as a random effect. The same mixed effect model 325 

was applied to test if 13C enrichment during litter decomposition (εrL) differed between transect 326 

regions.  327 

To assess the degree to which differences in anabolic and catabolic metabolism contributed 328 

to distinct litter residual chemistry across climate regions (Hypothesis 3), we compared differences 329 

in εrL and εbiom-bulk (measured as Δ13CPLFA-bulk) observed along the transect. We posit that climate 330 

can alter the chemical composition of residual litter through three distinct mechanisms, that is (1) 331 

by influencing microbial substrate use patterns (Fig 1b); (2) by changing microbial C allocation 332 
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(Fig 1c); and (3) through changes in the proportion of substrate converted into microbial necromass 333 

and retained in the residual litter (Fig 1d). These mechanisms are not mutually exclusive. 334 

We explore how these three mechanisms affected  εrL and εbiom-bulk based on the litter 335 

decomposition model depicted in Fig 1. In this model, microbial decomposers consume a fraction 336 

of the initial amount litter C (fcons). The stable isotope value of these consumed substrates (δ13Csubs, 337 

not measured) can be distinct from the bulk litter (δ13Cbulk) if microorganisms would preferentially 338 

degrade some litter components relative to others. We therefore use the difference εsubs-bulk = 339 

δ13Csubs-δ
13Cbulk as a measure of microbial substrate use patterns. Of these substrates, a fraction 340 

(CUEc) is converted into secondary microbial compounds that are added back to the remaining 341 

litter, while the remaining fraction (1-CUEc) is lost as respired CO2 or leached as dissolved organic 342 

C. The isotopic composition of these secondary microbial inputs (δ13Cbiom) is different from 343 

δ13Csubstrate due to stable isotope fractionation during biosynthesis, which depends on the 344 

proportions in which distinct compound classes are produced along with other properties of the 345 

microbial anabolism. We therefore use the difference εbiom-subs= δ
13Cbiom-δ13Csusbs as a measure of 346 

microbial C allocation and microbial anabolism in general.  347 

The three mechanisms have distinct effects on εrL and εbiom-bulk. Differences in microbial 348 

substrate use (i.e, εsubs-bulk) affect εrL and εbiom-bulk in opposite directions (higher εsubs-bulk values 349 

decrease εrL but increase εbiom-bulk), leading to a negative slope between εrL and Δ13CPLFA-bulk. 350 

Differences in microbial C allocation (i.e., εbiom-subs), in contrast, affect εrL and εbiom-bulk in the same 351 

direction (higher εbiom-subs values increase both εrL and εbiom-bulk), leading to a positive slope between 352 

εrL and Δ13CPLFA-bulk. Finally, changes to the CUEc can further increase or decrease εrL depending 353 

on the initial values of εbiom-subs and CUEc, and can thus change the slope between εrL and Δ13CPLFA-354 

SOC. The three types of climate-induced changes to litter decomposition have additive effects on 355 

εrL and εbiom-bulk, as shown in eqs. 4 and 5, where dεbiom-bulk, dεrL, dεsubs-bulk, dεbiom-subs, and dCUEC 356 

represent the instantaneous changes in εbiom-bulk, εrL, εsubs-bulk, εbiom-subs, and CUEC. A derivation of 357 

these equations is provided in Supporting Information S4. 358 

 359 

(4) 𝑑휀𝑏𝑖𝑜𝑚−𝑏𝑢𝑙𝑘 =  𝑑휀𝑠𝑢𝑏𝑠−𝑏𝑢𝑙𝑘 + 𝑑휀𝑏𝑖𝑜𝑚−𝑠𝑢𝑏𝑠 360 

 361 

(5) 𝑑휀𝑟𝐿 = −𝑑휀𝑠𝑢𝑏𝑠−𝑏𝑢𝑙𝑘 +
𝐶𝑈𝐸𝑐

1−𝐶𝑈𝐸𝑐
∙ 𝑑휀𝑏𝑖𝑜𝑚−𝑠𝑢𝑏𝑠 +

1

(1−𝐶𝑈𝐸𝑐)2 ∙ 휀𝑏𝑖𝑜𝑚−𝑠𝑢𝑏𝑠 ∙ 𝑑𝐶𝑈𝐸𝑐 362 

 363 

As shown in Supporting Information S4, the ratio dεrL / dεbiom-bulk is constrained to -1 if 364 

climate alters only microbial substrate use patterns (Fig. 1b) and to CUEC/(1-CUEC), which is 365 

always positive, if climate alters only microbial C allocation (Fig. 1c). A positive slope between 366 

εrL and εbiom-bulk (and thus between εrL and Δ13CPLFA-bulk) therefore provides evidence in support of 367 

our Hypothesis 3 that climate primarily affects the composition of residual litter through changes 368 

in the abundance or composition of microbial necromass inputs (Figs. 1c and 1d) rather than 369 

changes in substrate use patterns (Fig. 1b). We therefore evaluated Hypothesis 3 by testing for a 370 
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linear regression between εrL and the weighted mean Δ13CPLFA-bulk values using Pearson’s 371 

correlation coefficient. In addition, we also tested for correlations between εrL and the Δ13CPLFA-bulk 372 

values of all individual PLFA to ensure that such a regression was not merely the results of changes 373 

in community composition (as described above).  374 

We used the same isotope mass balance model to estimate the differences in εsubs-bulk, εbiom-375 

subs, and CUEC between transect regions, i.e., to estimate how large of difference in δ13C values 376 

relative to bulk litter (Fig. 1b), biomass δ13C relative to the substrates (Fig. 1c), or necromass 377 

production per substrate consumed (Fig 1d) between the transect regions was required to explain 378 

the observed data. As we did not detect significant differences in εrL or  Δ13CPLFA-bulk between the 379 

mid and warm regions, these two regions were combined for this analysis and estimated the 380 

differences in εsubs-bulk, εbiom-subs, and CUEC between cold and [mid+warm] regions. Estimating 381 

these differences further required assumptions about two parameters not directly measured, i.e., 382 

the initial CUEC and εbiom-subs values. We assumed values of 0.3 or 0.6 for CUEC and 0‰, 2‰, or 383 

5‰ for εbiom-subs, aiming to bracket the true values of each parameter based on available literature 384 

data. Further details on these estimates are provided in Supporting Information S5. 385 

All statistical analyses were conducted using the statistical programming environment R 386 

version 3.2.3 (R Development Core Team, 2015). All stated uncertainties indicate one standard 387 

deviation unless identified otherwise. 388 

 389 

3. Results  390 

3.1. Microbial community composition and δ13CPLFA values 391 

Microbial biomass and microbial community composition. Total PLFA concentrations, 392 

a proxy for microbial biomass, did not differ in litter layer samples from the different transect 393 

regions (Fig. 2a, Supporting Information S3). Climate, however, had strongly influenced microbial 394 

community composition, as evidenced by strong contrasts in the proportions of PLFA associated 395 

with distinct microbial groups. From the cold to warm region, the proportions of PLFA associated 396 

with fungi and non-fungal eukaryotes decreased, while proportion of PLFA associated with G+ 397 

bacteria, G- bacteria, and actinobacteria increased (Fig 2b). Consequently, the ratios of 398 

fungal:bacterial PLFA ratios (F:B) decreased by 43% (95% confidence interval: 18-68%) from 399 

cold to the warm region, from 1.02±0.25 to 0.58±0.24 (F=12.1, p<0.001). F:B ratios were 400 

correlated with the C:N ratio of the litter layer (R=0.46, p=0.018) and of litterfall (R=0.56, 401 

p=0.003; Fig. 3a). 402 

Weighted mean δ13CPLFA and Δ13CPLFA-bulk values. δ13CPLFA values increased from the 403 

cold to the warm region, both in absolute terms (δ13CPLFA) and relative to the bulk soil (Δ13CPLFA-404 

bulk). Weighted mean δ13CPLFA values were 1.7‰ higher (13C-enriched) in the warm and mid than 405 

in the cold region (Fig 4b; F=19.7, p<0.001), a difference significantly larger than among bulk 406 

litter layer values (δ13Cbulk), which were 0.6‰ higher in the warm than in the cold region (Fig 4a; 407 

F= 6.85, p=0.004). Weighted mean Δ13CPLFA-bulk values therefore increased from the cold to the 408 
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warm regions, with δ13C values of PLFA being 3.4 ± 0.8‰ lower than bulk SOC in the cold region, 409 

and only 2.3 ± 0.3‰ lower than SOC in the warm region (Fig 4c; F= 9.07, p=0.001). Weighted 410 

mean Δ13CPLFA-bulk values were negatively correlated with F:B ratios (R=-0.74, p<0.001), and litter 411 

layer C:N ratios (R=-0.47, p=0.013; Fig. 3b, 3c). 412 

Δ13CPLFA-bulk values of individual PLFA. Δ13CPLFA-bulk values of individual PLFA varied 413 

strongly throughout the dataset (-10.6 to +3.3‰), which is consistent with previous studies 414 

(Churchland et al., 2013; Cusack et al., 2011; Kohl et al., 2015). Δ13CPLFA-bulk varied systematically 415 

among individual PLFA as well as among samples (Fig 4). Most importantly, Δ13CPLFA-bulk values 416 

were distinct by the identity of the individual PLFA, i.e., the same PLFA was enriched or depleted 417 

relative to other PLFA or SOC in all samples. Fungal PLFA exhibited more negative Δ13CPLFA-bulk 418 

values (-7.9 to -3.1‰) than G- bacterial PLFA (-0.9 to + 0.7‰) and G+ bacterial PLFA (-0.0 to 419 

+2.4‰) (Fig 5). 420 

Individual PLFA in the warm region had equal or higher Δ13CPLFA-bulk values than the same 421 

PLFA in the cold region (Fig 5). Among the ten individual PLFA analyzed, five (i15:0, a15:0, 422 

16:0, 16:1, and 18:3; all χ2> 7.49, p<0.024) exhibited 1.0 to 1.9‰ higher Δ13CPLFA-bulk in the warm 423 

region than in the cold region (Table 2). The Δ13CPLFA-bulk of four of these PLFA decreased with 424 

the C:N ratio of the litter layer (Table 2; all ρ<-0.43, p<0.033). However, no consistent trends in 425 

Δ13CPLFA-bulk were observed for PLFA specific to distinct source organism groups (i.e., fungi, G- 426 

bacteria, G+ bacteria; Fig 5). 427 

3.2. Litterbag experiment 428 

Initial litter chemistry. Litter %C was similar in all transect regions (49.7 to 51.9%; 429 

Supporting Information S6), as were initial δ13C values (-31.3 to -30.8 ‰). Litter %N increased 430 

from cold to warm regions, with litter containing 0.96 ± 0.02, 1.08 ± 0.01, and 1.23 ± 0.01 %N in 431 

the cold, mid, and warm region, respectively (F=353, p<0.001). Initial δ15N values also increased 432 

from the coldest to the warmest region (-5.7 ± 0.1‰, -2.5 ± 0.0‰, and -0.8 ± 0.2‰, respectively; 433 

F=787, p<0.001).  434 

While the initial litter used for the litterbag experiment differed in nutrient concentrations 435 

(%N), the C chemistry (based on NMR spectra) was highly similar (Supporting Information S7).  436 

Initial litter NMR spectra were dominated by a large double peak in the O-alkyl region (72 and 75 437 

ppm), representative of carbohydrates (Fig. S3a). Further peaks occurred in the alkyl (26, 30, and 438 

33 ppm; plant waxes and lipids), in the methoxy (56 ppm, common in lignin), O-alkyl (62 and 65 439 

ppm; common in carbohydrates and peptides), di-O-alkyl (98 and 105 ppm; carbohydrates), 440 

aromatic (116 and 131 ppm), phenolic (145 and 156 ppm), and carboxyl (174 ppm) regions of the 441 

spectra (assignment based on Kögel-Knabner et al. (1992), Kögel et al. (1988), Zech et al. (1987) 442 

and other sources after Preston et al. (2000). The spectra of initial litter from all three regions were 443 

highly similar (Fig. S3a) which is consistent with our previous analysis of three years of litterfall 444 

from these sites, in that samples of ‘fresh’ needle litter from distinct regions differ in nutrient 445 

concentrations, but do not exhibit distinct NMR spectra (Kohl et al., 2018). Furthermore, the 446 

variance in the proportions of functional groups among samples of initial litter from different 447 
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regions was equal or lower than the variance among replicate litterbags retrieved from different 448 

sites within the same region after decomposition (Levene-test, all F< 1.32, p>0.335). This shows 449 

that difference in the spectra of initial litter chemistry across the three regions were negligibly 450 

small compared to differences in litter chemistry acquired during litter decomposition.  451 

Mass loss. Mass loss rates of local needle foliage increased from 29.8 ± 1.8% yr-1 in the 452 

cold region to 35.6 ± 4.6% yr-1 in the warm region (Fig 6a; F=20.2, p<0.001). The total mass loss, 453 

however, varied only slightly (29.7 ± 0.4%, 28.3 ± 0.4%, and 33.5 ± 1.0% in the cold, mid, and 454 

warm regions; Fig 6b) as slower mass loss in the northernmost region was compensated by slightly 455 

longer exposure (12 months) compared to the two more southern regions (11 months). C losses 456 

were similar to overall mass losses (29.5 ± 1.5%, 25.6 ± 1.9%, and 32.3 ± 1.6%, respectively; Fig 457 

6c). The total mass and C loss from the transect regions therefore varied by <25%. 458 

Chemical changes associated with litter decomposition. Litter %C increased slightly 459 

during decomposition to 50.9 to 51.9%. Litter %N increased to 1.63 ± 0.06, 1.69 ± 0.07, and 1.95 460 

± 0.14% in the cold, mid, and warm region, respectively (F=51.8, p<0.001). These values indicate 461 

litter N increased in absolute terms during decomposition such that, in spite of mass loss, litter 462 

contained a greater amount of N after decomposition in all sites. This has been observed previously 463 

in litter from multiple boreal species (Moore et al., 2010). This net increase in litter N with 464 

decomposition decreased from cold to warm regions, and the retrieved litterbags contained 119.3 465 

± 4.9%, 112.9 ± 4.4%, and +105.4 ± 3.1% of the initial N across these regions, respectively (F = 466 

72.7, p<0.001). 467 

Needle litter from all transect regions exhibited some common changes in NMR spectra 468 

during decomposition (Figs. 7, Supporting Information S7, S8), including a decrease in the relative 469 

proportion of phenolic C abundance and an increase in carbonyl proportion (Figs. 7). In addition 470 

to these general changes, we also observed changes specific to the three field regions. Litter in the 471 

cold and mid regions, but not in the warm region, exhibited a significant increase in the proportions 472 

of alkyl C (Figs. 7). This increase occurred in particular at 20-25 ppm and 38 ppm, i.e., separate 473 

from the main alkyl peaks (Fig Supporting Information S7). The relative abundance of O-alkyl C 474 

and di-O-alkyl C, in contrast, decreased in the mid and cold regions, but not the warm region. The 475 

methoxy C peak at 56 ppm showed a decreasing trend in the cold region and an increasing trend 476 

in the warm region (Figs. 7). The residual litter from colder regions therefore exhibited a greater 477 

relative abundance of alkyl-C and a lower relative abundance of O-alkyl, di-O-alkyl, and methoxy 478 

C compared to residual litter from warmer regions (Figs. 7).  479 

Stable C isotope ratios. In the cold region, the δ13C values of litter did not change 480 

significantly during decomposition. Therefore, the initial, residual, and the lost litter fractions had 481 

similar δ13C values (Fig 8). In the mid and warm regions, residual litter exhibited increased δ13C 482 

values relative to initial litter. The isotopic enrichment effects in residual litter (εrL) were -483 

0.11±0.27 ‰, 0.89±0.45 ‰, and 0.82±0.39 ‰ in the cold, mid, and warm regions, respectively 484 

(F=40.1, p<0.001; Fig 8b). Normalized to C loss, litter δ13C increased by 0.012±0.006 ‰ per %C 485 

lost in the mid and warm regions, whereas the δ13C values of litter in the cold sites showed no 486 
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significant change (0.002±0.004 ‰ per %C lost; F=47.5, p<0.001). 487 

3.3. Evidence for differences in δ13C of microbial biomass inputs and/or CUE along the transect 488 

We detected a significant positive correlation between εbiom-bulk and εrL (Fig 9a) with a 489 

regression slope 0.78 (95% CI: 0.23-1.36). Similar trends were found for five out of ten individual 490 

PLFA, although statistical significance was reached only with two individual PLFA (16:0 and 491 

16:1ω7; Supporting information S9). Mass balance models indicated the observed data can be 492 

explained in two ways (Table 3), that is, (1) by a difference in microbial C allocation among 493 

transect regions that altered the extent to which 13C was enriched in biomass relative to substrates 494 

(Δεbiom-subs = 0.51-2.02 ‰; higher in the mid and warm compared to the cold region); and (2) by 495 

the combination of different substrate use (Δεsubs-bulk = 0.50-1.74 ‰; higher in the warmer regions) 496 

and necromass production per unit of C consumed by microorganisms (ΔCUEC = 0.04-0.35; higher 497 

in the warmer regions). In contrast, a difference in microbial substrate use (εsubs-bulk), by itself (with  498 

constant CUEC and εbiom-subs values), could not explain the observed data. Both mechanisms could 499 

also have co-occurred, resulting in changes in all three parameters. Possible solutions consistent 500 

with the observed data are shown in Supporting Information S5. 501 

 502 

4. Discussion 503 

4.1. A warmer and wetter climate can shift the structure and function of the microbial 504 

community, altering the products of litter decay available for incorporation into the soil 505 

profile. 506 

Our observations of the microbial community structure and function at the litter layer, the 507 

litter decomposition process and the chemical nature of litter inputs to SOM across this forest 508 

transect (Fig. 10) indicates two important climate effects on soil processes in mesic boreal forests: 509 

(1) A warmer and wetter climate can enhance bacterial over fungal membership of the 510 

microbial community and thus shift microbial metabolisms in ways important to SOM 511 

formation. Our finding that composition and δ13C values of PLFA in the litter layer differ along 512 

the transect supports our first hypothesis that climate change can lead to changes in composition 513 

and activity of the microbial community in decomposing litter. Most importantly, climate change, 514 

as simulated through observations across this climate transect, can lead to a substantial (43 ± 28% 515 

[95% CI]) decrease in fungal relative to bacterial biomass, consistent with shifts observed from 516 

mid to southern taiga sites in a Siberian latitudinal transect (Schnecker et al., 2015). The negative 517 

correlation between F:B and C:N ratios (Fig 2a) suggests that this shift results from greater N 518 

availability, rather than direct temperature effects. This is in agreement with previous studies that 519 

showed a negative correlation between C:N and F:B ratios in boreal soils (Blaško et al., 2013). 520 

Several mechanisms for this relationship between C:N and F:B ratios have been suggested. Fungal 521 

biomass, for example, exhibits a wider range in C:N ratio than bacterial biomass. Fungi, therefore, 522 

have a competitive advantage in low-N environments (Strickland & Rousk, 2010) but may be at a 523 

disadvantage when N availability is increased. Mycorrhizal fungi, which play a key role in 524 
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alleviating the N limitation of boreal trees, are particularly affected by increased N availability 525 

(Blaško et al., 2013).  526 

The strong decrease in F:B ratio with a warmer and wetter climate along this transect might 527 

signify an important climate-driven mechanism impacting SOM formation because fungi are likely 528 

to convert a greater fraction of litter C into stabilized secondary microbial compounds than bacteria 529 

(Waring et al., 2013). For example, soil with higher proportions of fungi retain a greater fraction 530 

of 13C labelled litter in experimental incubations (Malik et al., 2016). Climate warming might 531 

therefore decrease the production of slower-turnover microbial necromass on decomposition litter. 532 

In addition, our data indicate that a warmer and wetter climate induces a change in microbial 533 

substrate use patterns and/or in the allocation of microbial C towards respired CO2 and distinct 534 

microbial metabolites. The 1‰ increase in the δ13C values of microbial biomass relative to the 535 

bulk litter layer, based upon the change in the δ13CPLFA relative to bulk δ13Cbulk, implies a 536 

meaningful shift in microbial metabolisms given that variations in δ13C values of plant and 537 

microbial compounds are on the order of a few per mil. Lignin, for example, is typically 13C-538 

depleted by 2-6‰ relative to cellulose (Benner et al., 1987; Hobbie & Werner, 2004), and aliphatic 539 

compounds (lipids and waxes) are typically depleted by 2-9‰ relative to bulk plant material 540 

(Hobbie & Werner, 2004).  541 

 (2) A warmer and wetter climate will change the identity of litter decay products 542 

generated at the litter layer. Despite the similar C chemistry of initial needle litter from all 543 

transect regions, we found significant differences between litter samples retrieved from distinct 544 

transect regions after 11-12 months of decomposition, despite a similar degree of decomposition. 545 

This confirms our second hypothesis that litter is processed differently in the distinct transect 546 

regions and indicates that litter processing is prone to change under a warmer climate. More 547 

specifically, our results indicate that under a warmer and wetter climate, litter will retain a lower 548 

relative proportion of alkyl-C (lipids and waxes) and a greater relative proportion of O-alkyl-C 549 

(carbohydrates) during decomposition than under the current climate. This suggests that 550 

compounds available to enter the underlying mineral soils post-decay may receive OM exhibiting 551 

lower alkyl:O-alkyl ratios in a warmer climate (Fig. 9a), in contrast to trends observed with 552 

experimental warming of organic layers in a temperate forest (Feng et al., 2008). In that study, soil 553 

warming lead to increased concentrations of cuticular lipids and decreasing concentrations of 554 

lignin phenols. Combined, these observations support the contrasting role of indirect climate 555 

effects like increased N availability, rather than direct temperature effects, on soil compositional 556 

changes with decomposition in these mesic forests. 557 

Our observations that litter δ13C values increase faster during decomposition under a 558 

warmer climate are consistent with enhanced discrimination of extracellular enzymes against 13C 559 

with rising temperatures (Lehmeier et al., 2016), as well as differential decomposition effects on 560 

litter chemistry with climate change. Aliphatic compounds like lipids and plant waxes are 13C-561 

depleted relative to other compounds, while carbohydrates are more enriched (Bruno Glaser & 562 

Amelung, 2002). Greater decomposition of aliphatic compounds and greater relative retention of 563 
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carbohydrates under a warmer climate would, therefore, lead to an accelerated enrichment of 13C 564 

during decomposition (Preston et al., 2009). This differential processing of litter in response to 565 

environmental conditions has been observed in laboratory and field experiments including those 566 

exploring land use practices on agricultural soils or N fertilization (Baumann et al., 2009; 567 

Glassman et al., 2018; Wickings et al., 2011, 2012). However, to our knowledge this is the first 568 

study to demonstrate that such differential processing at the litter layer can result from indirect 569 

effects of warming such as enhanced N availability.  570 

 571 

4.2. Microbial necromass shapes regional differences in decaying litter chemistry to a greater 572 

extent than selective removal of plant compounds. 573 

Our data provide two lines of support for our third hypothesis that regional differences in 574 

how litter chemistry changes during decomposition resulted primarily from distinct necromass 575 

inputs rather than the removal of a distinct litter fraction.  576 

(1) The isotopic composition of microbial biomass co-varies with that of the remaining 577 

litter rather than the lost litter fraction.  578 

We posited that 13C isotopic fractionation prior to and after microbial substrate uptake 579 

represents substrate use patterns and microbial anabolism with its resulting necromass inputs, 580 

respectively, and that these two groups of processes can be distinguished by comparing the 13C 581 

fractionation between initial and residual litter to 13C fractionation between bulk litter and 582 

microbial biomass (Fig 1).  583 

The positive correlation between εrL and Δ13CPLFA-SOC observed in this study (Figure 9b) 584 

indicates that 13C was more rapidly enriched in residual litter at sites where microbial biomass was 585 

also more 13C-enriched, even after accounting for differences in bulk litter 13C values. Such a 586 

relationship cannot be explained by differences in substrate use patterns (Fig 1b) alone: In this 587 

case, sites where 13C-enriched substrates were preferentially decomposed would contain 13C-588 

enriched microbial biomass but exhibit slower 13C enrichment in the residual litter, which would 589 

have resulted in a negative correlation between εrL and Δ13CPLFA-SOC across transect sites. Instead, 590 

our results suggest that the divergence in litter chemistry during decomposition under different 591 

environmental conditions observed by us and others (Baumann et al., 2009; Glassman et al., 2018; 592 

Morrison et al., 2019; Wang et al., 2019; Wickings et al., 2011, 2012) are driven by alterations of 593 

the microbial anabolism (Figs. 1c, 1d). While almost all microbial biomass C ultimately originates 594 

from litter C, microbial metabolisms can affect C isotope fractionation during biomass 595 

biosynthesis through differences in the partitioning of C to respiration and biomass production, C 596 

allocation towards distinct compound classes, or both processes (Hayes, 2001).  597 

It is likely that the observed changes in litter chemistry resulted from changes in the 598 

composition of necromass and other secondary microbial compounds added to litter (Fig. 1c). This 599 

inference is derived from mass balance calculations (Supporting Information S4, S5), which could 600 

be interpreted in two ways. First, a change in microbial necromass composition resulted in 601 
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necromass being 0.51-2.02‰ more 13C-enriched relative to substrates in the warmer transect 602 

regions. This change falls within those differences in εbiom-subs (i.e., δ13Cbiomass-δ
13Csubstrate) observed 603 

in incubations of different species, substrates, or temperature (Abraham et al., 1998; Abraham & 604 

Hesse, 2003; Lehmeier et al., 2016).  This result could be explained if necromass in the warmer 605 

region contained less aliphatic C (lipids and waxes) and more carbohydrates and amino sugars, 606 

consistent with the greater accumulation of aliphatic C in cold region litter observed by NMR 607 

spectroscopy. Second, the observed stable C isotope values could also be explained by a 608 

combination of microorganisms consuming a more 13C-enriched C (i.e., more carbohydrates and 609 

less lipids) in the warmer region, and a larger fraction of this C retained on litter as necromass. 610 

However, such an interpretation is inconsistent with the chemical changes in decomposition litter 611 

observed by NMR spectroscopy, which followed the opposite trend: greater accumulation of 13C-612 

depleted aliphatic C in colder transect regions. We thus conclude that necromass accumulation in 613 

the decaying litter is a key driver of litter chemistry (Fig. 1c).  614 

To our best knowledge, this is the first study that attempts to identify whether 615 

environmental impacts on residual litter chemistry result from changes in the selective plant 616 

compound use or microbial necromass contributions. There are some limitations of our 617 

experimental approach: First, it is possible that decomposition in litterbags differed from the 618 

natural in situ litter decomposition in the litter layer, which would compromise the mass balance 619 

calculations. Second, it is possible that the difference in Δ13CPLFA-bulk resulted from δ13CPLFA-620 

δ13Cbiomass rather than a difference in εbiom-bulk, which would also violate the assumptions of our 621 

mass balance calculations. We did, however, previously review available δ13CPLFA-δ13Cbiomass 622 

values and found no consistent difference between fungi and bacteria (Kohl et al., 2015). 623 

Furthermore, the δ13C values of individual PLFA exhibited the same patterns in all transect regions 624 

(R=0.975 p<0.001; Supporting Information S10), and the differences in Δ13CPLFA-bulk among 625 

transect regions were observed in PLFA associated with all major individual groups (Fig. 5). 626 

Furthermore, a shift in δ13CPLFA-δ13Cbiomass would, by itself, be evidence of a change in the anabolic 627 

metabolism of litter decomposing microorganisms (Hayes, 2001). Another possibility is that litter 628 

in colder regions received greater carbon inputs with the ingrowth of fungal mycelia, which is 629 

assumed negligible in our isotope mass balance. This would be consistent with the absence of an 630 

increase of 13C in the residual litter in cold region, as fungal biomass is likely 13C-depleted relative 631 

to bulk litter and bacterial biomass (Kohl et al., 2015). Again, this violation of our assumption 632 

would by itself be evidence for our main conclusions, i.e., differential inputs of litter necromass in 633 

the different climate regions. Finally, we cannot exclude that litter at warmer sites experienced 634 

greater C losses from litter due to enhanced leaching at warmer sites where litter was exposed to 635 

higher amounts of precipitation (Table 1). While litter C that is first taken up by microorganisms 636 

and then leached after excretion or cell lysis is included in our mass balance, direct leaching of 637 

litter C without prior uptake by microorganisms is assumed negligible. This is likely true given 638 

that leachate fluxes at all transect sites were at least 20-fold smaller than soil respiration (Ziegler 639 

et al., 2017). Regardless, leaching as a significant process remains inconsistent with the trends in 640 

litter composition as the greater retention of hydrophilic compounds (e.g. carbohydrates) and lesser 641 
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accumulation of hydrophobic compounds (lipids and waxes) in warmer transect regions, i.e., the 642 

opposite trend of what would be observed due to greater leaching. 643 

(2) The increase in alkyl-C relative to mass loss is unlikely to result from microbial 644 

substrate use alone. Our results show that the proportional accumulation of alkyl-C in litter from 645 

the cold region (+30.6%) was comparable to the proportion of total C loss (29.4%). It is unlikely 646 

that such a large relative increase in alkyl-C had occurred without the addition of aliphatic C from 647 

microbial necromass, as such a scenario would largely require that no alkyl-C had been degraded 648 

in these litterbags. This is not likely given that the alkyl-C fraction includes fatty acids in labile 649 

lipids (e.g., triglycerides and phospholipids) that are rapidly incorporated into microbial biomass 650 

(Miltner et al., 2009). In addition, raw NMR spectra (Supporting Information S5) show that the 651 

spectral regions in which we found the most divergent decomposition trends were different from 652 

the major peaks in the NMR spectra of initial plant material. These deviations were most common 653 

within the alkyl-C region of the spectra (at 20-25 and 38ppm), which as a whole exhibited the 654 

strongest divergence during decomposition. This suggests that compounds that were of minor 655 

importance in initial plant litter make up a substantial part of the additional alkyl-C in litter in the 656 

cold but not the warm region. 657 

 658 

4.3. The role of microbial necromass during litter decay on the compounds destined for the 659 

mineral soil profile must be considered to understand SOM in a changing climate.  660 

Our results demonstrate that the litter layer is a key location where direct (temperature) and indirect 661 

(N availability, litter chemistry) climate impacts are translated into changes in organic matter 662 

chemistry.  Across this boreal forest transect, this layer receives litter inputs with initially similar 663 

C chemistry but different N concentrations (Figs. 9b). During decomposition at sites with 664 

contrasting climate, litter N concentrations become more similar, while litter C chemistry (e.g. 665 

alkyl:O-alkyl ratios) become more distinct. Specifically, our results suggest that differential 666 

necromass inputs generated produced residual litter with lower alkyl:O-alkyl ratios in warmer 667 

transect regions.  668 

Litter residuals from late decomposition stages are the principal precursor of organic matter in the 669 

forest floor and particulate organic matter (POM) in mineral horizons, two SOM pools whose 670 

persistence is primarily determined by its chemical recalcitrance and microbial inhibition to 671 

decomposition (Cotrufo et al., 2015). Lower alkyl-C:O-alkyl-C, as observed in litter residuals from 672 

warmer transect regions have been associated with faster turnover pools of soil organic matter 673 

(Baldock et al., 1992; Marty et al., 2019). The effects of a warmer climate on needle litter inputs 674 

may be interpreted as a potential mechanism increasing SOM bioreactivity (i.e., higher SOM 675 

decomposition rates under standardized conditions). If all other factors remain constant, this 676 

increase in bioreactivity could lead to a net loss of SOM from these forests. Relevant to climate 677 

change impacts on boreal forests, our previous work on these soils showed that SOM bioreactivity 678 

throughout the organic layer was shape by regional differences in litter input chemistry (Kohl et 679 
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al., 2018). Climate effects imprinted upon organic matter at the litter-soil interface may thus shape 680 

SOM properties for decades to centuries. 681 

5. Conclusions  682 

In summary, we studied needle litter decomposition along a climate gradient where 683 

temperature and precipitation increased from cold to warm regions, resulting in similar soil 684 

moisture throughout the transect (Fig. 10). Across these sites a warmer climate history led to an 685 

accumulation of N in needle litter and soils, to changes in the microbial community composition 686 

(lower fungal:bacterial PLFA ratios) and physiology (evidenced by greater Δ13CPLFA-bulk). It is 687 

likely that these differences led to the differential changes  to needle litter chemistry with 688 

decomposition observed in our litterbag experiment, i.e., greater retention of carbohydrates, lesser 689 

accumulation of lipids and waxes, and faster accumulation of 13C in litter residual in the warmer 690 

region. This study highlights the role that microbial inputs during early litter decomposition can 691 

play in shaping residual needle litter contributions to soils as they respond to indirect climate 692 

warming effects such as greater nitrogen availability. 693 
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 1001 

Figure 1. Conceptual figures depicting the conceptual model underyling our isotope mass balance 1002 

calculations (a). Red numbers indicate carbon fluxes: fcons, fraction of initial litter carbon taken up by soil 1003 

microorganisms; CUEC, community-level carbon use efficiency, defined as the fraction of carbon taken up 1004 

by microorganisms that was converted into necromass (i.e., not respired as CO2 or leached). Dashed grey 1005 

arrows indicate two fluxes we assume negligible: direct leaching of litter carbon without prior uptake by 1006 

microorganisms, and C exchange between litter and deeper soil horizons due to fungal growths and hyphal 1007 

transport. The blue formulae indicate the defined measures of stable isotope fractionation compared in this 1008 

study: εbiom-bulk is the enrichment of 13C in microbial biomass relative to bulk carbon (measured as δ13CPLFA-1009 

δ13Cbulk) and εrL is enrichment of 13C during decomposition. The term ζ =
1−flost

flost
 normalizes εrL to litter 1010 

carbon loss (floss = fcons ∙ (1 − CUEC)). Furthermore, examples of how the stable isotope values would 1011 

vary in different carbon pools if climate were to shape residual litter chemistry by changing substrate use 1012 

patterns (b), microbial carbon allocation (c), or CUEC (d). Note that these panels are intended to illustrate 1013 

relationships among the δ13C values as attributed to each of the three mechanisms, rather than to imply the 1014 
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hypothesized direction of each effect along the climate transect. Moreover, the expected regression between 1015 

εbiom-bulk and εrL (e) is provided to illustrate how results in this study are used to support our understanding 1016 

of the role of these mechanisms and their response to climate. See Section 2.4 and Supporting Information 1017 

S3-S4 for further discussion. 1018 
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 1019 

 1020 

Figure 2. Concentration of PLFA in the litter layer from three climate regions (a) and relative abundance of PLFA specific to broad microbial groups 1021 

(b). Bold lines indicate the median, boxes the interquartile range, and whiskers the estimated 95% quantiles. Letters indicate significant differences 1022 

among transect regions. The relative abundance of actinobacterial and eukaryotic PLFA was plotted at 5 and 25 times its true value respectively for 1023 

better readability. 1024 

  1025 
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 1026 

Figure 3. Correlation between the C:N ratio of the litter laeyr, fungal:bacterial PLFA ratio, and δ13CPLFA-δ13Cbulk values. Colors and shapes indicate 1027 
transect regions (blue, cold region; grey, mid region; red, warm region. Black lines indicate linear regressions, and dashed red lines indicate the 95% 1028 
confidence interval for these regression lines. 1029 
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 1031 

Figure 4. Bulk δ13C values of the litter layer (a), litter layer PLFA (b; weighted mean), and PLFA normalized to the bulk litter layer (c). Samples 1032 
were collected in the three climate regions in a mesic boreal forest climate transect. Letters indicate significant differences between transect regions. 1033 
Bold lines indicate the median of each region, boxes the interquartile range, and whiskers the 95% interval (n=8-9).  1034 
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 1036 

Figure 5. Stable C isotope values of phospholipid fatty acids realative to the bulk stable isotope value of the litter layer in three regions of a boreal 1037 
forest latitudinal transect. Bold lines indicate the median, boxes the interquartile range, and whiskers the estimated 95% range (n=8-9). Letters 1038 
indicate significant differences among transect regions (Kruskal-Wallace test).  1039 
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 1041 

Figure 6. Mass and carbon loss of local litter in three regions of a boreal forest climate transect spanning from 0.0 to 5.2 °C. In each region, litterbags 1042 
were filled with local balsam fir needles and retrieved after 11-12 months, aiming for similar total mass loss over the decomposition period. Mass 1043 
loss is presented as expressed daily mass loss (a) and mass loss over the complete runtime of the experiment (b); carbon loss is presented as total 1044 
carbon loss over the complete runtime of the experiment (c). Bars indicate the mean of 18 litterbags distributed among three distinct field sites per 1045 
region, with error bars indicating one standard deviation. Letters indicate significant difference between transect regions. Note that the total mass 1046 
loss depicted in (b) and (c) occurred over different decomposition times and should thus not be read as a comparison of decomposition rates. Rather, 1047 
panels (b) and (c) serve to illustrate that the chemical and isotopic analyses were conducted when decomposition had reached a similar point at all 1048 
transect sites.  1049 
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 1051 

Figure 7. Changes in litter chemistry during decomposition by region, expressed as the % changes in the abundance of a functional group relative 1052 
to its initial abundance (see eq. 3). Values larger than zero indicate that the abundance of a functional group increased during decomposition (i.e., 1053 
net accumulation) while values smaller than zero indicate that the concentration decreased (i.e., net depletion). Note that changes in functional group 1054 
abundance are the net result of both catabolic (preferential decomposition of some litter components relative to other components) and anabolic 1055 
(inputs of secondary microbial compounds) metabolisms. Bars indicate the mean of litterbags decomposed at three replicate sites per region, with 1056 
an error bar indicating one standard deviation. Letters indicate significant difference between transect regions.  1057 
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 1059 

Figure 8. Changes in δ13C values during litter decomposition in a litter bag experiment replicated in three transect regions of a climate transect 1060 
spanning 5.0 C MAT. The two panels depict the δ13C values of retrieved litter and the lost litter fraction normalized to initial litter (a) and isotope 1061 
enrichment effect associated with litter decomposition (εrL; b). Points and bars represent the means of 18 litter bags from three field sites per regions, 1062 
with error bars indicating one standard deviation. Letters indicate significant differences among transect regions.  1063 
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 1065 

Figure 9. Relationship between C:N ratio and alkyl:O-alkyl ratio in initial (open symbols) and decomposed (closed symbols) litter (a). Furthermore, 1066 
correlation between the δ13C value of microbial biomass measured via PLFA normalized to bulk SOM (and the isotope enrichment effect associated 1067 
with litter decomposition (εrL; b). Symbols and colours indicate transect regions. The solid black line in panel b indicates the linear regressions 1068 
between δ13CPLFA-δ13Cbulk and εrL and the dashed red lines indicating the 95% confidence interval of this regression.  1069 

 1070 
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 1071 
 1072 

Figure 10. Summary of the effects of climate on environmental controls over litter decomposition, 1073 

microbial community structure and isotope effects associated with the microbial decomposition of litter, 1074 

and the chemical composition of initial and decomposed litter observed in this study. 1075 
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Table 1. Location and characteristics of field sites studied herein. All field sites were located on mature balsam fir (Abies balsamea) stands on well 1076 

drained podzol soils (specifically, humo-ferric podzols under the Canadian soil classification system). Table updated from Kohl et al., 2015, 2018; 1077 

Ziegler et al., 2017. 1078 

Region Site Latitude Longitude Elevation MATa MAPa PETa Litterfall Tree basal area SOM in LFH C:NLitterfall
b C:NL

b
 

    (m) (C) (mm a-1) (mm a-1) (kg ha-1 yr-1) (m2 ha-1) (kg SOM-C ha-1) (mol C mol-1 N) (mol C mol-1 N) 

Eagle  

River 

(Cold) 

Muddy Pond (MP) 53°33'01''N 56°59'13''W 145 0.0 1074 432 1815 37.2 2430 86 47 

Sheppar's Ridge (SR) 53°03'25''N 56°56'02''W 170 0.0 1074 432 1992 50.1 2160 87 42 

Harry's Pond (HP) 53°35'12''N 56°53'21''W 136 0.0 1074 432 2380 38.2 1950 76 42 

             

Salmon 

River 

(Mid) 

Hare Bay (HB) 51°15'21"N 56°8'18"W 31 2.0 1224 489 4686 63.2 3130 64 39 

Tuckamore (TM) 51°9'51"N 56°0'15"W 16 2.0 1224 489 3213 39.2 3150 66 37 

Catch-A-Feeder (CF) 51°5'21"N 56°12'16"W 38 2.0 1224 489 194212 34.0 2510 65 43 

             

Grand 

Codroy 

(Warm) 

Slug Hill (SH) 48°00'39''N 58°54'16''W 215 5.2 1505 608 4562 48.4 2880 55 34 

Maple Ridge (MR) 48°00'28''N 58°55'14''W 165 5.2 1505 608 4007 44.7 3230 68 34 

O'Reagan's (OR) 47°53'36''N 59°10'28''W 100 5.2 1505 608 5374 50.1 2910 63 30 

 1079 

 aMAT; mean annual temperature; MAP, mean annual precipitation; PET, annual potential evaporation. Meteorological data represent climate normals 1080 
of 1981-2010 from Cartwright, NL; Main Brook, NL; and Doyles, NL weather station and was taken from Environment Canada (2014). Potential 1081 
evaporation was calculated according to Xu and Singh (2001) based on monthly temperature and precipitation normals.  1082 

b Molar ratio of carbon to nitrogen of foliar litter collected in litter traps (C:NLitterfall) and of the litter layer (C:NL). Calculated based upon data in Kohl et 1083 
al. (2018).1084 
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Table 2. Regional difference in the δ13C values of the phospholipid fatty acids (PLFA) relative to soil organic carbon (13CPLFA-bulk) and correlation 1085 

with C:N. 1086 

PLFA 
δ13CPLFA-δ13Cbulk (median)  Differencea  Correlation with C:N 

North Mid South  South - North  R Slopeb 

G+  bacteria         

i15:0 +2.0‰ +2.4‰ +3.0‰  +1.0‰ **  -0.42* -0.041 

a15:0 -0.8‰ +0.7‰ +0.7‰  +1.5‰ *  -0.32 -0.057 

         

G+  bacteria         

16:1ω7 -0.2‰ +0.9‰ +1.2‰  +1.4‰**  -0.59** -0.068 

cy17:0 -0.2‰ +0.2‰ -0.1‰  +0.1‰  -0.06 -0.006 

18:1ω7 -1.0‰ -1.1‰ -0.8‰  +0.3‰  -0.27 -0.021 

cy19:0 -0.3‰ -0.3‰ -0.3‰  ±0.0‰  -0.02 -0.001 

         

Fungi         

18:2ω6 -3.1‰ -3.0‰ -2.9‰  +0.2‰  -0.30 -0.031 

18:3ω3 -8.5‰ -7.9‰ -6.9‰  +1.8‰*  -0.57** -0.122 

         

General         

16:0 -7.2‰ -5.0‰ -5.3‰  +1.9‰**  -0.60** -0.102 

18:1ω9 -1.1‰ -1.3‰ -1.5‰  -0.4‰  +0.13 0.016 

         

Weighted mean -3.7‰ -2.6‰ -2.3‰  +1.3‰**  -0.58** -0.075 

 1087 

aAsterisks indicates significance levels for the Kruskal-Wallace test. *, p<0.05; **, p<0.01, ***, p<0.001. 1088 
bSlope is stated in ‰ per C:N unit. 1089 
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Table 3. Mass balance estimates of the difference () in the 13C-enrichement of substrates relative to bulk litter (εsubs-bulk), the 13C-enrichement of 1091 

biomass relative to substrates (εbiom-subs), and the community-level carbon use efficiency (CUEC) between warm/mid and cold region required to 1092 

explain the with measured data. Data from the mid and warm regions was combined due to a lack of difference between these regions. Results are 1093 

stated as the most likely prediction and the 5-95% probability range. Positive numbers indicate that the estimate parameter has a higher value in the 1094 

warm and mid regions compared to the cold region. Details on the method to produce these estimates are provided in Section 2.4 and Supporting 1095 

Information S4. 1096 

 1097 

Assumptions  Calculated values 

CUEC (cold) εbiom-bulk (‰) other  Δεsubs-bulk (‰) Δεbiom-subs (‰) ΔCUEC 

0.3 0   -0.34 (-0.39 - -0.28) 1.46 (0.89 – 2.02) any 

 any ΔCUEC =0  -0.34 (-0.39 - -0.28) 1.46 (0.89 – 2.02) 0 

 2 Δεbiom-bulk=0  1.12 (0.50 - 1.74) 0 0.296 (0.22 - 0.35) 

 5 Δεbiom-bulk=0  1.12 (0.50 - 1.74) 0 0.118 (0.082- 0.15) 

       

0.6 0   0.29 (-0.01 – 0.58) 0.83 (0.51 – 1.16) any 

 any ΔCUEC =0  0.29 (-0.01 – 0.58) 0.83 (0.51 – 1.16) 0 

 2 Δεbiom-bulk=0  1.12 (0.50 - 1.74) 0 0.158 (0.11-0.20) 

 5 Δεbiom-bulk=0  1.12 (0.50 - 1.74) 0 0.058 (0.04-0.08) 

 1098 


