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Abstract: Freshwater ecosystems cover over 15% of the world’s surface and provide ecosystem services
that are pivotal in sustaining human society. However, fast-growing anthropogenic activities have
deleterious impacts on these ecosystems. In this Special Issue, we collect ten studies encompassing
five different factors of freshwater contamination: landfill leaks, nutrients, heavy metals, emerging
organic contaminants and marble slurry. Using different approaches, the studies detailed the direct
and indirect effects that these contaminants have on a range of freshwater organisms, from bacteria
to vertebrates. Although the papers covered here focused on specific case studies, they exemplify
common issues that are expanding in groundwaters, hyporheic zones, streams, lakes and ponds
around the world. All the aspects of these issues are in dire need of being continuously discussed
among scientists, end-users and policy-makers. To this end, the Special Issue presents a new free
software suite for the analysis of the ecological risk and conservation priority of freshwater ecosystems.
The software can support local authorities in the preparation of management plans for freshwater
basins pursuant to the Water Directives in Europe.

Keywords: heavy metals; EOCs; nitrate; landfill; marble slurry; neonicotinoids;
microplastics; software

1. Introduction

Freshwater sustains human society with some 93,000 km3 of water stored in lakes and rivers and
much more in groundwater or as ice [1], covering about 15% of the world’s surface [2]. From nanograms
of pharmaceuticals to large pieces of plastics, freshwater ecosystems are a sink for anthropogenic
contamination, which is predicted to become more severe in the coming decades as a result of population
growth and urbanization. Contaminants can enter freshwater directly, through countless anthropogenic
activities ranging from legal and illegal discharges from factories to imperfect water treatment plants,
landfill leachates, mines, quarries and agricultural runoff. Mining activities are the major contributors
of heavy metals [3], while emerging organic compounds (EOCs), including pesticides, pharmaceuticals
and personal care products, are mainly released by wastewater treatment plants and agricultural
practices [4]. Long-lasting contamination with nitrates, nitrites, ionized ammonia and pesticides in
groundwater is a common consequence of intensive agriculture [5,6]. Modern high-tech methodologies,
such as nanofiltration, electrodeposition, and sequestration, can only help in stemming the tide of
aquatic pollution without solving the problem completely [7]. Strict obedience to environmental laws
and regulations is the only way of bringing freshwater pollution down to its barest minimum [8].

Water 2020, 12, 1810; doi:10.3390/w12061810 www.mdpi.com/journal/water1
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As a result of contamination, biodiversity loss continues to occur in freshwater ecosystems at a rate
double that in other ecosystems [9]. Rivers and lakes sustain nearly 10% of all described animal species,
including 40% of the world’s fish diversity and a third of all vertebrate species [10], while groundwater
hosts at least 5000 species of invertebrates, of which 70% are represented by crustaceans [11,12]. These
numbers translate into a great diversity of life forms, consisting of prokaryotes and microscopic
single-cell eukaryotes through to meiofauna and macrofauna and up to vertebrates. Freshwater
organisms are subjected directly to the toxic actions of pollutants. Their responses to contaminants are
varied, and the most drastic responses are represented by death or migration, potentially leading to
local extinction. Other responses may include reductions in reproductive capacity and morphological
and physiological changes. Changes at the community, population and individual levels not only
constitute direct evidence of the ecological impact that a contaminant can have in freshwater ecosystems
but can also serve as bioindicators to track the source and fate of contamination.

This Special Issue collects ten studies on the response of freshwater ecosystems to anthropogenic
pollution. The papers detail the direct and indirect effects that pollutants have on a range of freshwater
aquatic organisms, from microbes to vertebrates. The overview covers a variety of contaminants,
from nutrients and heavy metals to emerging contaminants and microplastics, and from landfill
leaks to marble quarry slurries. The studies involve different types of fresh water ecosystems, from
groundwater to mountain karst ponds, hyporheic zones, stream waters and lakes. The papers of the
Special Issue are hereafter presented with reference to the types of water bodies to which they refer. A
final paragraph is dedicated to a new software tool for the assessment of the ecological risk and the
conservation priority of freshwater ecosystems.

2. Overview

2.1. Groundwater

Changes in groundwater quality, such those induced by municipal solid waste disposal in landfills,
can directly affect the functional properties of aquatic microbial communities. Melita et al. [13] explored
the structural alterations, as well as the functional responses, of groundwater microbial communities
to a gradient of geochemical alterations induced by a municipal solid waste landfill in central Italy. The
microbial communities were characterized by flow cytometry and the Biolog EcoPlatesTM assay, with
the aim of highlighting biogeochemical cycling patterns along the gradient. The microbial communities
from the pristine and mildly-altered groundwaters showed a low affinity for most of the carbon sources.
By contrast, the microbial community thrived in the altered groundwater conditions defined by high
concentrations of organic matter and fecal bacteria. The profiles of the carbon substrate use highlighted
the efficient metabolization of a large number of organic compounds, including those with complex
molecular structures.

Nitrate is likely to be the most common pollutant in groundwater and is such a serious pollutant
that the EU dedicated the subject of a specific directive to it. In alluvial aquifers of agricultural areas,
the ion can reach concentrations up to hundreds of milligrams per liter. In aquifers that are well
oxygenated and have a low organic content, denitrification processes (i.e., the reduction of nitrate) do
not take place or take place at such low rates that they do not allow the recovery of the groundwater
body. Nitrate contamination can, therefore, persist for years [14]. Di Lorenzo et al. [15] analyzed the
effects of long-term nitrate contamination on the groundwater fauna of an alluvial aquifer in central
Italy. The study revealed that structural traits of the biological assemblages, such as the ratios of
juveniles to adults and of males to females, as well as the relationships between abundances and
biomasses, provide indicators of the alteration of the communities in a more efficient way than classical
taxonomy-based analyses, which are focused on species richness and abundances only.

Both taxonomy-based and trait-based approaches, although providing important information,
are not able to identify which is the lethal concentration of a pollutant for a given species. To obtain
this information, it is necessary to carry out ecotoxicological tests; that is to say, experiments in
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controlled laboratory conditions. Unfortunately, ecotoxicological studies with the so-called stygobiotic
species (i.e., species that carry out their entire life cycles in groundwater) are extremely few due to
the low abundances with which these animals are collected and the difficulty of breeding them in the
laboratory [16,17]. Hose et al. [18] provided an important contribution to the field of ecotoxicology
with stygofauna, through testing the effects of some heavy metals—such as As, Cr and Zn—on an
undescribed species of syncarid (Malacostraca: Syncarida: Bathynellidae). The study revealed the
high sensitivity, both in terms of survival rates and bioaccumulation, of syncarids to metals, with
particular reference to As. Zinc was the least toxic metal for the syncarids, which showed significant
metal bioaccumulation at exposure concentrations higher than 1 mg of Zn/L.

If the studies on the toxic effects of chemical pollutants on stygobiotic species are few, the analysis
of the impact of non-chemical stressors, such as marble slurries, on stygobiotic communities are, to
date, non-existent. This Special Issue presents the first preliminary study on this topic. Piccini et
al. [19] characterized, from a sedimentological and chemical point of view, the fine marble powder
that is produced at quarries during the extraction and squaring of marble blocks by means of chain
and diamond-wire saws. The study was conducted on an iconic area of marble quarry activity, the
Apuan Alps in central Italy, a karst area exploited for marble since the time of the ancient Romans. The
results of the study showed that, during intense rain events, the marble slurry—which, in the Apuan
Alps, is called marmettola—is washed into the karst springs, making the water temporarily unsuitable
for domestic uses. A very preliminary investigation suggests that the marmettola, consisting of calcite
granules with a diameter between 8 and 32 μm, could fill the voids of the Apuan Alps karst system,
making the voids unavailable for some stygobiotic taxa. The results need to be supported by further
studies; however, stygobiotic amphipods are, in fact, unable to penetrate fine-grained sediment with a
diameter <60 μm, as already observed by Korbel et al. [20].

2.2. Streams and Hyporheic Zones

Insecticides, especially neonicotinoids, are among the most commonly used and detected EOCs in
stream waters worldwide [21]. Hunn et al. [22] investigated the effects of the neonicotinoid imidacloprid
on the mayfly Deleatidium spp. (Leptophlebiidae), collected from the Silver Stream, a fourth-order
stream near Dunedin in New Zealand. Imidacloprid exposure had severe lethal and sublethal effects
on Deleatidium spp., with significant impairment at concentrations as low as 1 μg/L of imidacloprid.
Starvation worsened the effect of the neonicotinoid on the mayfly species, affecting their ability to
swim or right themselves and leading to immobility.

The contamination of freshwaters with EOCs is predicted to become more pronounced in the
coming decades [4]. The hyporheic zone (i.e., the zone where water is exchanged between the
open channel and the saturated permeable streambed sediments) is particularly susceptible to EOC
contamination due to the long residence times of these toxicants in the pore-spaces and, consequently,
long exposure periods for organisms dwelling in the hyporheic zone. Peralta-Maraver et al. [23]
reported the effect of EOC pollution on the composition and abundance–body mass (N–M) relationships
of the hyporheic communities (prokaryotes, single cell eukaryotes, meiofauna and macrofauna) of
thirty streams in the UK. Emerging organic compounds negatively affected the hyporheic assemblages,
inducing significant changes in the N–M coefficients, with an increase in the biomasses and abundances
of the organisms chiefly associated with pollutant-tolerant groups such as Asellidae and Oligochaeta.

Under a scenario of pollution and a concomitant increase in tolerant, large-sized taxa,
bioaccumulation is expected to be more acute. Labuschagne et al. [24] tested the potential for
the bioaccumulation of platinum group elements (PGEs) using artificial and natural bivalves. Platinum
group elements are pollutants of emerging concern almost everywhere but particularly in areas where
PGEs are mined. The study was undertaken along a contamination gradient in the Hex River, South
Africa and compared the accumulation of metals in a passive sampling device made up of artificial
mussels with the uptake by transplanted individuals of the freshwater clam Corbicula fluminali africana.
Both bioindicators were efficient in highlighting the presence of As, Cd, Co, Cr, Ni, Pb, Pt, V and
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Zn, but the uptake pattern for Pt, Cr and Ni—between the artificial mussels and natural clams—was
different. The results showed that a combination of the two bioindicators, rather than the use of only
one of the two, provided a more holistic assessment of PGE contamination in the Hex River.

2.3. Lakes and Karst Mountain Ponds

Morphological deformities of chironomids are known to provide information about contamination
by heavy metals, pesticides and, in general, substances that act as endocrine disruptors [25]. Goretti et
al. [26] examined the incidence of mentum deformities in populations of Chironomus plumosus (Diptera:
Chironomidae) in Lake Trasimeno, central Italy. The 26-month study showed that <10% of the C.
plumous population had a mentum deformity, with a higher incidence during spring and in the littoral
populations. The most common type of deformity found was the "round/filed teeth" type. Compared
to the results of the years 2000–2010, the incidence of C. plumosus mentum deformities has decreased
significantly. This result is suggestive of a recovery of the chemical conditions of Lake Trasimeno in the
last decade.

The study of Iannella et al. [27] focused on karst mountain ponds, which are high-altitude
ecosystems usually exploited as watering points for livestock. The ponds may show high ammonium
concentrations and the significant depletion of dissolved oxygen due to eutrophication induced by
cattle excrement. The study, which examined the karst ponds of the Apennines in central Italy, showed
that the enrichment of the ponds with organic nutrients due to the manure may have a significant
effect on the diet of the Italian crested newt Triturus carnifex, a "Near Threatened" species included
in the Italian IUCN red list. In particular, the study reported an impoverishment of the T. carnifex
diet in the most nutrient-enriched ponds, probably due to a low diversity of the benthic invertebrate
assemblages. Alarmingly, the study also reported the first evidence of the occurrence of microplastics
in the stomach contents of T. carnifex.

2.4. AQUALIFE Software

Finally, Strona et al. [28] presented the AQUALIFE software, a user-friendly online
interface (available at http://app.aqualifeproject.eu), that can be used to assess the ecological and
hydrological-hydromorphological risks to aquatic ecosystems dependent on groundwater (e.g., springs,
hyporheic zones, streams and rivers, aquifers etc.) along with their conservation priority. The Ecological
Risk suite of the AQUALIFE software computes the probability (from 0 to∞) that a toxicant may cause
the impairment of a biological aquatic community at a measured environmental concentration. The
Hydrological-Hydromorphological Risk suite identifies and scores the risks posed by human-induced
alterations to the hydrological connectivity of springs and hyporheic zones. Finally, the Conservation
Priority Index suite determines the conservation priority of aquatic ecosystems based on selected
species traits such as distribution, endemicity, degree of groundwater dependence, ecological affinity
to groundwater, ecological niche breadth, thermal tolerance, microhabitat preferences, trophic role,
life span, frequency of occurrence, abundance, evolutionary origin and phylogenetic rarity. With its
multi-metric facet, the AQUALIFE software provides a novel tool to assist policy-makers and local
authorities in managing groundwater-dependent ecosystems.

3. Conclusions

In this Special Issue, we had the pleasure of collecting ten studies that each increased the level of
knowledge regarding the origin, fate and ecological impact of contaminants on freshwater ecosystems.
The studies covered various geographical areas, from Europe to South Africa to Australia and New
Zealand, and numerous types of aquatic environments, from groundwater to karst mountain ponds,
rivers, lakes and the areas of transition between surface water and groundwater. The stressors examined
in these ten studies ranged from heavy metals to emerging organic pollutants, and also included
non-chemical contaminants, such as the dust produced at marble quarries. The approaches used
were ecotoxicological, taxonomy-based and trait-based, and touched upon many of the components
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of the freshwater communities, from bacteria to vertebrates. We believe that the collation of these
papers may contribute to and stimulate further interest in some critical issues of vulnerability in
freshwater ecosystems.
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Abstract: The disposal of municipal solid wastes in landfills represents a major threat for aquifer
environments at the global scale. The aim of this study was to explore how groundwater
geochemical characteristics can influence the microbial community functioning and the potential
degradation patterns of selected organic substrates in response to different levels of landfill-induced
alterations. Groundwaters collected from a landfill area were monitored by assessing major
physical-chemical parameters and the microbiological contamination levels (total coliforms and
fecal indicators—Colilert-18). The aquatic microbial community was further characterized by
flow cytometry and Biolog EcoPlatesTM assay. Three groundwater conditions (i.e., pristine, mixed,
and altered) were identified according to their distinct geochemical profiles. The altered groundwaters
showed relatively higher values of organic matter concentration and total cell counts, along with the
presence of fecal indicator bacteria, in comparison to samples from pristine and mixed conditions.
The kinetic profiles of the Biolog substrate degradation showed that the microbial community
thriving in altered conditions was relatively more efficient in metabolizing a larger number of organic
substrates, including those with complex molecular structures. We concluded that the assessment of
physiological profiling and functional diversity at the microbial community level could represent a
supportive tool to understand the potential consequences of the organic contamination of impacted
aquifers, thus complementing the current strategies for groundwater management.

Keywords: Biolog EcoPlatesTM; flow cytometry; microbial community; metabolic fingerprint;
groundwater quality; hydrogeochemistry

1. Introduction

Groundwater is the second largest freshwater deposit representing 14% of all inland waters and
one of the most important drinking water resource [1,2]. Several factors may impair groundwater
environment including drought, excessive withdrawals, and pollutant contamination derived by
anthropogenic activities [3–5]. Awareness of the importance of groundwater resources led the European
Commission to define legislative tools for ensuring the groundwater ecosystem quality and fostering the
related research efforts [6]. The environmental policy started to consider aquifers as a living ecosystem
to be preserved [7]. To date, the anthropogenic impact on groundwater biological communities is largely
disregarded, although a wide range of organisms are adapted to live under the limiting conditions
imposed by darkness and low trophic resources [8,9]. Among those, prokaryotic microorganisms are
the most relevant in terms of biomass [10]. The environmental factors that influence the dynamics
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of aquatic microbial communities are increasingly attracting the research interest, given the key
role played by microorganisms in the ecosystem while processing and cycling organic carbon and
nutrients [11,12]. Changes in water physical-chemical characteristics were found to affect the structural
and functional properties of the microbial communities [13–15].

Among the global threats for the aquifer environment, the municipal solid waste disposal
in landfills is of major concern for either human or environmental health, since pollutants can
promptly migrate into groundwater by the leaching of percolate [11,16,17]. To counteract and prevent
“significant adverse environmental effects” derived from landfill practices, a detailed characterization
of groundwater quality is required and based on representative hydrogeological conceptual models
(European Landfill Directive; 1999/31/EC) [18]. However, despite the good chemical status is determined
by compliance with water quality standards, the ecological approach to evaluate the anthropogenic
impact on groundwaters has been poorly considered [19].

Different approaches are suitable for monitoring and predicting the effects of anthropogenic
groundwater alterations, offering an insight into the relationships occurring between geochemical
parameters and the microbial functional properties [13,20,21]. The microbial phylogenetic changes,
observed so far in many literature studies [22–24], were not likely exhaustive to explain the microbial
functional responses to the anthropic impact. A fundamental understanding of the microbially-driven
processes and the following ecosystem responses to anthropogenic stress factors is still needed.

Starting from the outcomes of one-year monitoring activities in a municipal solid waste landfill in
Central Italy [21], we aimed to explore the functional properties of groundwater microbial communities
and their responses to different levels of landfill-induced geochemical alterations. The hypothesis is
that changes in groundwater quality will affect the functioning of the resident microbial communities by
inducing preferential metabolic pathways. This approach could complement the current geochemical
assessments to better elucidate the effects of the anthropic activities on the aquifer environment.

2. Materials and Methods

2.1. Field Sampling and Major Water Characteristics

The study was carried out at a groundwater-monitoring network located within the area of a
municipal solid non-hazardous waste landfill facility in Central Italy (Figure 1). The landfill, duly
equipped with liners and leachate collection systems, is operating since 2002, following the Landfill
Directive 1999/31/EC. Between 2003 and 2018, it received 2.9 million tons of waste in 4 different basins,
deriving mainly from the mechanical-biological treatment of municipal waste (65%), and non-hazardous
waste of other origin. The yearly amount varied from 170,000 tons to 2,700,000 tons. A water table
aquifer (depth 5–15 m) was found only in the northern part of the facility. A confined aquifer
(depth 5–27 m) underlies the entire landfill area, with groundwater flowing from North to South
through lacustrine sediments formed by clays, silts, and sandy layers [21].

During two sampling campaigns (October 2016 and May 2017), 22 water samples were collected
from 12 piezometers (Figure 1), by following specific guidelines for groundwater sampling in industrial
areas [25]. The landfill is composed of four different basins, three of which are currently in the
“after-care” phase and only the fourth basin was active during sampling. Basin 4 (840,000 m3) is located
between Pz07 and Pz01. The distance of Pz07 from the waste load area is approximately 50 m. Pz01 is
at about 50 m from the southern end of the basin 4.

Major physical-chemical water characterization was assessed on-site by measuring electrical
conductivity, oxidation-reduction potential (ORP), temperature, pH, dissolved oxygen with a
flow cell equipped with AQUAREAD probes. The concentration of NO3, SO4, F, Cl (Ionic
Chromatography—Dionex DX-120), HCO3 (HCl titration), Si, Mg, Ca, Na, K (Inductively Coupled
Plasma—Optical Emission Spectrometry—Perkin Elmer P400), DOC (Shimadzu TOC-5000A analyser)
were successively measured in laboratory [21].
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Figure 1. Location of the waste landfill facility area (Central Italy), with the indication of sampling sites.

The occurrence of total coliforms (TC) and fecal indicator bacteria (E. coli) was estimated using
the Colilert-18 test kit (IDEXX Laboratories Inc., Westbrook, Maine, USA) [26]. Duplicate samples
were collected in 100-mL sterile polystyrene bottles and analyzed within 6 h. The positive wells
for the activities on ONPG (yellow) and MUG (fluorescent) substrata were counted and referred
to the Quanti-Tray/2000 Most Probable Number (MPN) table to quantify the total coliforms and
E. coli, respectively.

2.2. Microbial Community Characterization by Flow Cytometry

Subsamples for flow cytometric analyses were collected in 2-mL Eppendorf safe-lock tubes, fixed
with formaldehyde (2%, final concentration) and analyzed within 24 h. The microbial community
characterization was performed by the Flow Cytometer A50-micro (Apogee Flow System, Hertfordshire,
UK) equipped with a solid-state laser set at 20 mV and tuned to an excitation wavelength of 488 nm.
The total prokaryotic cell counts (TCC) were measured by staining with SYBR Green I (1:10,000 dilution;
Molecular Probes, Invitrogen) for 10 min in the dark at room temperature. The light scattering signals
(forward and side scatters), the green fluorescence (530/30 nm) and red fluorescence (>610 nm) were
acquired with a threshold sets on the green channel. Samples were run at low flow rates to keep the
number of events below 1000 event s−1.

The data were analyzed using the Apogee Histogram Software (v2.05). The TCC was determined
by their signatures in a plot of the side scatter vs. the green fluorescence. The intensity of green
fluorescence emitted by SYBR positive cells allowed for the discrimination among cell groups
exhibiting two different nucleic acid content (cells with low NA content—LNA; cells with high NA
content—HNA) [27]. This method was successfully applied for prokaryotic cell counting in different
groundwater settings [15,21].

2.3. Metabolic Potential, Functional Diversity and Community Level Physiological Profile

The Biolog EcoPlatesTM assay (Biolog, Inc., Hayward, California, USA) was used to detect the
microbial degradative activity of 31 organic carbon sources, contained in triplicate in 96 micro-well
plates (plus three control wells) and labeled with the respiration-sensitive tetrazolium dye. Within 6 h
from sampling, 150 μL of sampled water was introduced in each well. The plates were incubated at
20 ◦C in the dark. The analysis of the color development for each substrate along the incubation time
provided information on the degradation rate of each substance. The development of formazan was
detected through the measurement of the absorbance at 590 nm (VICTOR™ X3 Multilabel plate reader.
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PerkinElmer Inc., Waltham, Maine, USA). Data acquisition was performed at the starting time (time 0)
and every 24 h, over a period of 15 days. The optical density (OD 590 nm, expressed as absorbance
units) of each substrate was subtracted by the corresponding initial OD value (t = 0) to eliminate the
intrinsic absorbance signal [28]. Negative values were set to 0.

The mean degradative activity on all 31 substrates was intended as the microbial metabolic
potential, expressed as Average Well Color Development (AWCD), the average of adjusted absorbance
of the whole microplate [29]:

AWCD =
1
31

∑
(OD590) (1)

The AWCD kinetic profiles were calculated over the entire incubation time, based on the
density-dependent logistic growth equation:

y = AWCDt =
K

1 + e−μ(t−s)
(2)

where:

• K = the asymptote/carrying capacity
• μ = exponential rate of AWCD change
• t = time (h)
• s = the time when y = K/2

These parameters were utilized to compare the microbial functional properties in different
samples [30]. Data elaboration were performed in the interval between 0 and 168 h of incubation,
representing the exponential phase before the stationary phase. In particular, the 24 h endpoint
represented the prompt microbial responsiveness in substrate degradation, while the 168-h endpoint
represented the maximum potential degradation activity.

Following Weber et al. [31], the functional diversity was related to the rates at which the Biolog
substrates were utilized by the aquatic microbial community. Herein, the functional diversity was
estimated in terms of equitability (E), taking into account both Shannon index (H) and substrate
richness (i.e., number of positive wells in the microplates—S):

E =
H

ln S
(3)

where:

• H = −∑pi (ln pi)
• pi = the ratio of the activity of a particular substrate to the sums of activities of all substrates
• S = number of positive wells in the microplates

The standardization of initial density inoculum was carried out by normalization of optical
density (OD590) of each substrate by the corresponding Average Well Color Development (AWCD)
value [28,32,33]. To simplify the interpretation of the results, the 31 substrates utilized by the Biolog
test, were grouped into six categories of chemical compounds as follows: carbohydrates, polymers,
carboxylic acids, phenolic compounds, amino acids and amines [34]. The Area Under the Curve
(AUC) describing the variation of OD with time was calculated for each well using a trapezoidal
approximation [35]. All values, hereafter reported both for classes of compounds and single substrates,
were expressed as AUC and utilized for the univariate analysis.

2.4. Statistical Analysis

Geometric means were used to characterize physical, chemical and microbial characteristics of
the groundwater groups. In the case of E. coli < 1 MPN/100 mL, we assumed 0.5 MPN/100 mL as
lowest value.
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The multivariate analysis of similarities (ANOSIM) was used to test the difference among the
sample groups by considering all major physical, chemical, and microbial parameters. A multi-group
similarity percentage test (SIMPER), through the Bray-Curtis similarity measure (multiplied by 100),
was run to identify the percentage contribution of selected data to the average dissimilarity.

The non-parametric Kruskal-Wallis univariate test was performed on all parameters in order to
identify statistical differences between the groundwater groups.

A non-metric multi-dimensional scaling ordination plot (nMDS), based on the Gower dissimilarity
matrix, was used to graphically visualize hydrogeochemical and microbiological variation patterns [36].
The values of the degradation activity performed on the different categories of organic compounds
were incorporated in a nMDS analysis with a vector-fitting procedure, in which the length of the
arrow is proportional to the correlation between the nMDS-axes and each variable. This method
allowed determining which degraded class of compounds were significantly correlated with the nMDS
ordination. In particular, we focused on those substrates that contributed for 50% of the overall SIMPER
dissimilarities between the groundwater groups.

A non-parametric multivariate analysis of variance (NPMANOVA) was performed on
AWCD-normalized Biolog data (i.e., on either substrate classes or single substrates) to highlight differences
in the community-level physiological profiles (CLPP) between the identified groundwater groups.

3. Results

3.1. Groundwater Physical, Chemical and Microbial Characteristics

The major groundwater physical, chemical and microbial characterization (Tables S1 and S2)
allowed identifying three statistically distinct groundwater groups (ANOSIM, p < 0.05), herein defined
as “pristine”, “mixed”, and “altered”.

The pristine groundwater group included ten samples from six piezometers (Pz6-2016, Pz6-2017,
Pz12-2016, Pz12-2017, Pz13-2017, Pz14-2016, Pz14-2017, Pz15-2016, Pz15-2017, and Pz16-2017) (Figure 1).
These samples were anoxic groundwaters characterized by the lowest mean values of ORP and DO,
the lowest mean EC along with the lowest mean concentration of SO4 and Ca (Table 1).

Table 1. Physical and chemical characteristics of different groundwater groups presented as geometric
means. The median was used in case of negative ORP values. Data are shown in order of contribution
to the variability among groups obtained through the SIMPER test. EC = electrical conductivity; ORP
= redox potential; T = temperature; DO = dissolved oxygen; DOC = Dissolved Organic Carbon). a, b, c
indicate statistical differences among groups (Kruskal-Wallis, p < 0.05).

Parameter Unit Pristine Mixed Altered

EC μS/cm 766.4 a 915.6 1452.7
ORP mV −119.3 a 74.3 b −40.8 c

T ◦C 17.8 19.1 17.3
pH 7.2 a 7.0 b 6.7 c

DO mg/L 0.2 a 3.1 b 0.4 a

NO3 mg/L 0.9 a 18.2 b 0.8 a

SO4 mg/L 11.7 a 45.9 b 232.5 c

K mg/L 10.5 a 2.1 b 5.1 ab

DOC mg/L 2.2 a 0.8 b 2.0 a

F mg/L 0.4 a 0.2 b 0.2 ab

Cl mg/L 7.9 a 19.5 b 11.3 a

Si mg/L 16.4 a 7.5 b 19.7 a

Mg mg/L 23.1 b 22.0 b 45.7 a

Ca mg/L 94.1 b 135.4 c 238.3 a

Na mg/L 9.9 8.2 8.8
HCO3 mg/L 419.8 b 424.5 b 632.4 a
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The mixed groundwater group included six samples from 3 piezometers, where the water table
aquifer is probably mixed with the lower one (Pz7-2016, Pz7-2017, Pz8-2016, Pz8-2017, Pz9-2016,
and Pz9-2017). These samples were more oxidized groundwaters and showed the highest mean values
of ORP, DO, NO3 and Cl, along with the lowest mean DOC and Si concentrations.

The altered groundwater group, including six samples from four piezometers (Pz1-2016, Pz10-2016,
Pz10-2017, Pz11-2016, Pz11-2017, Pz13-2016), was characterized by anoxic, slightly acidic groundwaters
with the highest EC, SO4, Mg, Ca and HCO3 concentrations.

Fecal contamination was detected only in the altered groundwater samples in the 2016 campaign.
Total prokaryotic cell counts (TCC = 7.93 × 104 − 1.69 × 107 cells/mL) showed a large variability among
the groundwater groups, with relatively high values in altered conditions, along with significant high
percentages of LNA cells (Table 2).

Table 2. Microbial community characteristics (geometric means) of the three groundwater groups.
In case of negative E. coli, half of detection limit was used for mathematical calculation (i.e., 0.5 MPN/100
mL). TCC = Total Cell Counts; HNA cells = cells with high nucleic acid content; LNA cells = cells with
low nucleic acid content. a, b, c indicate statistical differences among groups (Kruskal-Wallis, p < 0.05).

Parameter Unit Pristine Mixed Altered

Total Cells Count 105 cells/mL 4.4 3.1 6.6
HNA Cells % of TCC 52.8 b 52.6 b 27.1 a

LNA Cells % of TCC 41.6 b 46.4 b 65.5 a

Total Coliforms MPN/100 mL 157.8 103.0 292.6
E. coli MPN/100 mL <1 <1 3.3

The different contribution of the macro-chemical elements and microbial characteristics to
the identified groundwater groups was graphically summarized in an ordination plot (Figure 2).
The multivariate approach allowed for the testing of inter-group dissimilarity, along with highlighting
the variation patterns of the groundwater major characteristics.

 
Figure 2. NMDS ordination plot of sampled waters. Vectors represent the major geochemical
and microbial community characteristics that concurred to the identification of the three different
groundwater groups. Stress value indicates the significant concordance between the distance among
samples in the NMDS plot and the actual Gower distance among samples.
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3.2. Kinetic Profiles of Metabolic Potential and Functional Diversity

The kinetic parameters, calculated from the sigmoidal curves of the AWCD values over time,
highlighted the overall differences in the metabolic responses of microbial communities from the
three groundwater groups (Figure 3a and Table 3). The microbial potential activity reached a similar
theoretical maximum K value in all groundwater groups. The microbial community from the pristine
groundwater differed significantly, showing the highest exponential rate of AWCD change (μ) (Table 3).
In altered conditions, the microbial community showed AWCD24h values two-fold higher than that
developed under pristine and mixed conditions and the lowest time to reach K/2, hence indicating a
higher affinity for the available substrates.

Figure 3. Kinetic profiles of (a) metabolic potential (Average Color Well Development—AWCD)
and (b) functional diversity (substrate utilization equitability—E) (Equation (3)) of the identified
groundwater groups. Gray lines indicate 24 h and 168 h incubation time.

Table 3. Kinetic parameters of the fitted logistic growth equations (Equation (2)). K = asymptote,
s = time to reach K/2, μ = exponential rate of AWCD change, r2 = correlation coefficient.

Parameter Unit Pristine Mixed Altered

K OD590nm 1.42 1.41 1.33
s h 157.1 147 117.1
μ h−1 0.029 0.023 0.021
r2 0.98 0.99 0.99

After 24 h of incubation, the functional microbial diversity, indicated by the equitability values,
of microbial communities from pristine and mixed sample groups showed similar values (E = 0.93 and
0.92, respectively), which were significantly lower than those found in altered conditions (E = 0.96).
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The equitability under pristine conditions reached the lowest values with respect to altered and mixed
conditions, indicating a heterogeneous distribution in substrate degradation (Figure 3b and Table 4).
The equitability showed lower values at 168 h (E = 0.903, 0.944, and 0.934, respectively for pristine,
mixed groundwaters) than at 24 h.

Table 4. Utilization patterns of organic substrates in different groundwater groups after 24 h and 168 h
of incubation. Values are given as percentage of the total OD590.

24 h

Classes of
Substrates

Substrates Pristine Mixed Altered

Carbohydrates

β-methyl-D-glucoside 4.7 6.4 4.8 4.9 4.6 5.1 5.3 3.8 5.6 4.4 4.8 5.6 3.3 3.4 3.6 4.8 3.3 3.1 4.9 3.5 3.5 3.5
D-xylose 4.1 1.5 3.2 2.9 4.0 1.6 0.0 5.7 1.5 3.0 3.6 3.6 1.9 3.7 4.5 3.4 3.9 3.1 3.6 3.7 3.3 3.6

i-erythritol 7.0 4.2 5.2 5.7 6.3 6.6 8.1 5.6 7.0 4.6 5.8 5.3 6.7 4.9 6.0 5.9 4.1 3.7 4.5 4.0 3.7 6.5
D-mannitol 5.5 7.2 5.1 5.5 5.0 5.2 7.1 4.4 8.6 4.9 5.6 6.8 5.7 3.6 5.3 5.3 3.9 2.9 4.1 3.4 3.6 5.2

N-acetyl-D-glucosamine 4.9 6.9 5.5 5.4 5.0 4.4 7.3 4.0 6.1 6.2 5.3 4.6 3.8 4.5 4.3 4.1 3.8 2.9 3.3 3.6 3.8 5.0
D-cellobiose 5.0 2.9 5.1 5.6 6.6 3.7 6.2 4.8 5.9 5.3 5.5 3.2 1.7 4.6 5.0 5.7 3.5 4.7 4.2 3.6 3.7 4.7
α-D-lactose 6.0 3.3 5.0 6.1 5.2 5.5 1.7 4.7 6.7 5.5 5.2 7.7 1.8 4.1 5.2 6.2 3.2 5.0 4.0 2.9 4.1 4.4

glucose-1-phosphate 2.7 1.9 1.5 2.7 1.9 0.0 7.3 2.3 0.0 2.0 2.5 1.1 2.9 2.5 1.4 1.8 2.5 2.5 2.0 2.2 3.0 1.6
D,L-α-glycerol phosphate 2.0 2.8 0.0 0.6 3.1 0.0 0.0 0.9 2.8 1.1 1.5 2.0 2.7 1.8 1.9 1.7 2.5 1.6 2.1 2.5 2.9 0.5

Polymers

tween40 5.7 5.1 5.7 4.1 6.7 3.0 3.3 4.5 4.6 7.6 4.6 4.0 5.3 4.5 7.8 4.2 4.4 5.7 3.6 3.3 4.0 6.4
tween80 0.0 2.4 3.4 3.6 0.0 2.4 0.1 2.6 0.0 1.6 0.0 0.0 1.7 3.1 2.9 3.4 3.7 3.3 3.0 3.3 3.8 3.3

α-cyclodextrin 2.3 1.7 2.3 2.3 1.7 1.1 3.1 2.4 2.7 2.4 2.0 2.5 3.7 2.2 1.3 3.0 2.3 2.8 3.1 3.6 2.9 1.7
glycogen 5.0 6.3 3.8 2.6 2.8 3.8 4.4 3.6 4.2 4.4 3.9 5.5 2.7 2.8 3.3 3.9 3.0 3.4 3.0 3.3 3.7 3.9

Carboxylic
Acids

D-galactonic acid γ-lactone 4.5 2.5 4.6 3.0 3.7 3.9 4.3 2.9 2.4 3.4 4.3 2.8 4.4 2.6 4.2 3.5 3.7 3.8 3.4 3.5 2.5 4.3
D-galacturonic acid 4.6 2.8 0.7 2.4 2.8 2.8 2.2 3.1 2.8 0.0 2.6 3.8 3.5 3.1 3.0 3.5 1.9 2.9 3.2 3.0 3.1 1.9

γ-hydroxybutyric acid 4.1 1.8 4.3 5.3 3.9 11 1.0 2.7 9.3 7.6 5.0 2.6 2.7 3.8 2.7 3.8 4.1 3.9 2.6 3.7 3.9 5.1
D-glucosaminic acid 4.3 2.7 3.1 4.2 3.8 3.2 7.0 3.2 5.8 4.4 4.1 4.1 4.5 3.3 3.7 3.6 2.5 2.4 3.1 3.1 3.2 3.0

itaconic acid 2.6 2.0 2.9 2.6 2.7 2.1 2.7 2.4 3.2 2.2 2.6 3.4 1.9 2.2 2.0 2.2 3.5 3.1 2.6 2.8 2.4 2.4
α-ketobutyric acid 0.0 2.7 3.7 3.0 0.0 5.9 0.8 3.2 0.0 2.6 4.6 0.0 2.3 2.9 1.5 1.2 2.0 1.5 2.1 2.8 3.1 2.7

D-malic acid 0.0 2.1 2.8 1.6 3.0 0.0 0.5 2.3 1.7 1.5 0.0 3.4 3.7 3.5 3.3 1.8 2.6 3.8 3.0 3.4 3.6 1.8
pyruvic acid methyl ester 0.0 1.7 2.9 0.0 0.0 0.0 0.0 0.7 0.0 0.8 0.0 0.0 2.8 1.0 0.5 0.0 2.6 2.2 2.0 3.4 3.6 0.4

Phenolic
Compounds

2-hydroxy benzoic acid 0.0 1.9 2.1 0.0 2.2 0.0 0.0 2.2 0.0 0.0 0.0 2.2 3.3 3.5 3.5 5.0 3.2 2.5 4.4 3.3 3.4 1.7
4-hydroxy benzoic acid 0.0 1.5 3.2 1.0 0.0 1.2 0.2 3.6 0.0 1.4 0.0 0.0 1.2 1.6 0.8 0.0 3.2 1.9 2.2 2.9 2.7 2.8

Aminoacids

L-arginine 4.1 3.6 3.0 4.1 3.8 4.4 6.4 3.7 2.9 5.9 3.6 4.6 4.1 3.2 3.9 3.7 2.8 3.7 3.5 3.5 3.3 3.9
L-asparagine 3.8 3.8 2.8 3.0 3.4 3.6 3.1 2.7 1.2 2.8 3.5 3.7 4.6 4.1 3.1 2.5 3.8 4.2 3.7 3.1 3.0 3.5

L-phenylalanine 3.0 2.3 1.6 2.3 2.0 2.4 1.4 2.8 1.9 1.8 2.4 2.0 2.9 2.5 1.5 1.4 3.3 2.1 2.0 2.9 1.3 2.0
L-serine 3.4 3.8 2.3 3.1 3.5 3.9 5.0 2.7 2.6 2.5 3.6 4.2 3.5 4.2 3.1 3.3 3.4 3.6 3.2 3.3 3.3 2.9

L-threonine 3.8 2.8 4.7 4.3 4.2 4.0 4.3 3.9 3.7 4.6 4.1 1.5 3.9 4.2 3.7 4.3 4.1 4.1 3.5 3.7 3.6 4.2
glycyl-L-glutamic acid 3.6 2.6 1.8 2.8 2.2 0.0 1.5 2.3 2.6 2.4 3.0 3.3 3.1 3.4 2.1 2.9 2.3 3.2 3.0 2.7 2.3 2.0

Amines
phenylethyl-amine 0.0 2.7 0.0 2.5 2.3 5.7 1.2 3.9 2.3 0.9 3.3 3.0 2.1 2.9 2.2 1.2 3.8 3.0 4.2 3.1 2.7 2.5

putrescine 3.2 4.0 2.7 2.8 3.4 3.8 3.6 2.6 2.1 2.3 2.8 3.5 1.5 2.2 2.7 2.7 3.1 3.4 2.9 3.0 3.1 2.6
168 h

Classes of
substrates

Substrates Pristine Mixed Altered

Carbohydrates

β-methyl-D-glucoside 4.8 4.4 8.8 7.6 1.3 2.6 5.8 2.1 11 5.8 3.4 5.7 3.8 2.8 1.5 5.6 4.8 5.5 4.5 5.3 2.6 8.2
D-xylose 3.7 3.8 0.3 0.5 3.4 0.3 0.0 1.9 0.1 0.2 1.2 0.6 0.9 1.3 0.9 1.5 1.2 1.2 2.7 1.8 2.3 0.7

i-erythritol 1.7 1.5 1.2 1.7 1.4 1.1 2.9 2.5 0.9 2.4 2.7 2.4 1.7 2.9 2.1 4.2 2.7 1.6 3.4 2.5 2.8 2.9
D-mannitol 5.0 5.1 8.2 9.2 2.1 3.1 7.6 3.7 5.3 10 6.7 3.4 6.0 5.6 6.1 5.3 5.6 5.3 3.7 4.7 5.9 5.7

N-acetyl-D-glucosamine 4.0 4.9 6.1 8.1 3.0 6.8 7.4 7.4 1.4 6.0 4.3 7.0 5.1 4.9 4.2 4.0 5.0 5.4 3.0 3.0 7.2 5.3
D-cellobiose 5.7 4.7 5.5 3.1 4.6 2.0 3.6 3.2 5.0 7.4 4.2 2.2 3.0 4.0 2.3 4.9 4.9 7.5 4.6 6.2 2.6 6.2
α-D-lactose 4.3 3.8 2.1 2.9 3.0 6.9 2.2 5.0 1.9 4.2 3.8 2.5 1.8 2.4 1.8 4.9 2.3 2.5 3.5 3.0 2.9 2.1

glucose-1-phosphate 2.2 2.9 2.1 4.6 0.4 3.7 4.0 2.3 0.3 2.0 2.1 0.5 2.8 2.4 0.8 1.6 3.3 2.8 1.6 3.8 4.5 3.8
D,L-α-glycerol phosphate 1.0 2.0 0.3 1.6 1.7 1.3 1.2 1.7 1.4 0.7 1.0 1.1 1.4 1.2 1.6 1.6 2.4 1.3 2.1 2.2 2.0 1.4

Polymers

tween40 3.2 3.7 3.9 5.8 2.9 6.0 4.0 4.1 7.3 4.0 4.9 8.3 3.0 4.9 7.6 6.1 3.7 5.1 2.7 4.0 4.7 3.3
tween80 4.4 3.8 4.1 2.4 0.0 8.7 6.7 1.6 7.4 2.5 4.4 5.9 4.1 4.5 8.6 2.8 5.1 3.1 3.4 4.8 5.1 4.6

α-cyclodextrin 4.5 3.6 2.3 1.5 1.0 3.7 3.2 4.1 5.4 2.6 3.2 3.8 3.9 3.8 3.2 1.8 1.0 2.1 3.2 2.7 3.2 2.5
glycogen 4.7 4.3 11 3.2 0.4 1.9 2.4 2.8 1.4 7.1 3.0 4.5 4.7 3.0 3.8 3.6 4.8 6.8 2.6 4.2 2.6 10

Carboxylic
Acids

D-galactonic acid γ-lactone 1.9 2.9 1.0 1.3 2.3 1.0 2.6 0.8 0.5 6.1 2.8 3.2 2.9 3.7 3.1 5.3 3.5 1.5 3.3 2.0 1.9 2.0
D-galacturonic acid 3.4 3.0 6.4 2.6 8.2 1.5 3.0 3.4 5.0 0.3 1.6 2.9 3.6 3.2 2.6 2.5 2.8 1.4 2.6 2.0 2.2 3.9

γ-hydroxybutyric acid 0.8 1.1 0.5 1.5 3.1 1.2 0.4 0.6 1.4 1.1 3.1 0.5 0.6 1.7 1.0 2.9 2.3 1.2 2.2 1.6 2.4 1.9
D-glucosaminic acid 2.3 2.6 0.7 2.1 3.3 2.9 1.7 1.0 1.4 3.1 3.3 4.0 4.7 4.3 6.3 4.4 1.9 1.7 2.3 2.2 2.2 2.9

itaconic acid 4.1 3.9 6.5 4.2 5.3 6.3 2.0 6.3 1.9 3.3 3.9 3.2 4.4 3.9 3.8 4.9 4.5 5.1 9.1 3.5 2.0 3.8
α-ketobutyric acid 1.9 3.0 0.8 1.6 0.1 3.4 0.3 1.4 0.1 0.6 5.8 1.3 1.5 1.7 0.8 0.6 0.9 0.6 1.3 1.7 2.0 0.4

D-malic acid 1.8 1.5 0.6 0.9 1.9 0.7 0.6 1.0 0.6 2.4 1.0 1.6 5.3 4.5 3.4 1.2 2.3 1.9 2.8 2.7 2.7 0.7
pyruvic acid methyl ester 4.3 3.0 3.9 2.9 9.7 9.9 3.9 5.5 4.1 3.0 5.1 5.6 3.5 2.9 4.0 2.8 4.5 4.9 5.5 4.3 4.3 4.7

Phenolic
Compounds

2-hydroxy benzoic acid 1.0 1.0 0.2 0.0 0.5 0.0 4.0 0.4 0.0 0.1 0.6 0.8 2.0 2.1 0.8 3.6 1.6 0.9 2.9 2.1 2.2 0.5
4-hydroxy benzoic acid 3.3 4.4 2.1 3.0 6.8 4.4 5.4 6.4 0.9 4.7 3.8 3.9 5.3 3.4 4.4 1.9 4.1 6.1 2.0 3.8 1.7 4.9

Aminoacids

L-arginine 5.1 2.9 1.4 3.4 1.6 1.8 2.1 3.9 0.3 1.4 3.8 4.2 2.6 3.7 3.8 5.5 3.6 3.9 3.4 4.6 2.9 1.9
L-asparagine 4.2 4.2 5.3 2.4 3.5 1.6 5.4 6.8 3.9 4.4 4.4 6.8 4.6 4.5 3.6 2.3 5.6 3.5 3.7 4.7 3.5 4.2

L-phenylalanine 3.6 3.2 1.8 4.8 1.6 2.6 1.6 2.3 2.1 1.3 2.1 1.5 2.6 1.6 1.3 1.6 1.9 1.6 1.2 2.7 1.3 1.5
L-serine 3.6 4.1 5.7 2.0 3.2 1.6 3.0 2.3 0.6 8.0 2.7 2.9 3.6 4.2 1.9 2.9 3.9 4.3 3.7 3.6 6.9 1.1

L-threonine 1.5 2.0 1.3 2.3 3.7 0.9 2.0 2.9 0.6 0.9 2.3 2.1 2.1 2.6 1.4 2.9 2.6 2.2 3.2 2.4 2.6 2.0
glycyl-L-glutamic acid 1.6 1.9 1.8 3.9 1.6 1.1 0.7 1.4 1.5 0.5 2.0 1.6 2.1 2.2 2.2 1.6 1.6 3.0 2.4 2.2 1.8 1.1

Amines
phenylethyl-amine 3.8 2.8 0.1 2.2 1.3 7.4 6.1 5.2 0.3 0.2 2.5 2.3 3.8 2.7 4.6 0.4 3.3 1.1 3.6 1.8 1.8 0.7

putrescine 2.9 4.1 4.1 6.8 0.9 3.6 4.2 5.9 8.2 3.7 4.4 4.2 2.8 3.5 6.4 4.9 2.3 5.2 4.0 3.9 6.9 4.7

<1 1–2 2–3 3–4 4–5 5–6 6–7 7–8 8–9 9–10 >10
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3.3. Community Level Physiological Profiles

The CLPP data were expressed as percentage contribution of the degradative activity on each
substrate to the total. The data integration by nMDS representations summarizes how changes in the
hydro-geochemical conditions corresponded to a shift in the utilization of organic substrates provided
(Figure 4).

Figure 4. Variation patterns of the six class of compounds and of a selection of 12 substrates (i.e., those
explaining 50% of dissimilarity among groups) at 24 h (a), (c) and 168 h (b), (d). Data were expressed
as AUC values normalized for the AWCD. NMDS ordination plot of sampled waters is based on
geochemical and microbial community characteristics (see Figure 2).

The utilization patterns of organic substrates in the early stage of incubation (CLPP24h) showed
that microbial communities from pristine conditions fed preferentially on carbohydrates (Table 4;
Figure 4a), which contributed on average for 38.8% of the total absorbance. Inside this class of
compounds, i-erythritol was the most degraded compound (6.0%), followed by D-mannitol and
D-lactose, (5.9% and 5.5% respectively) (Figure 4b). Carbohydrates utilization decreased significantly to
33% at 168h incubation (NPMANOVA; p < 0.01) and shifted toward the utilization of other compounds
such as β-methyl-D-glucoside and N-acetyl-D-glucosamine (Figure 4d). Carboxylic acids contributed
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to the CLPP24h for 22.0%, although only four out of eight compounds were utilized (Table 4). Most
of the contribution was assigned to the γ-hydroxibutyrric acid (5.0%) (Figure 4b). The utilization of
pyruvic acid methyl ester increased consistently at 168 h, passing from 0.6% to 5.0%. Aminoacids and
polymers contributed for 18.9% and 12.9% of the total absorbance, respectively. The CLPP168h changed
significantly due to the significant high utilization (NPMANOVA; p < 0.05) of polymers, phenolic
compounds and amines (Figure 4c). In particular tween 40 (4.5%), phenylethyl-amine (2.9%) mostly
drove this change (Figure 4d).

The CLPP24h in mixed conditions relied preferentially on carbohydrates (36.5%), mainly driven by
i-erythritol (5.8%) and D-mannitol (5.4%) (Table 4), that declined after 168 h incubation (NPMANOVA;
p < 0.01) (27.3%) (Table 4). The carboxylic acids contribution varied significantly in the CLPP24h and
CLPP168h (22.1% and 25.1%, respectively) and relied mostly on D-glucosaminic acid (3.9% and 4.5%,
respectively) (Table 4). Polymer utilization (13.0%) at 24 h was driven mainly by tween40 degradation
(5.1%) (Figure 4a,b). As for pristine conditions, amines and phenolic compounds, contributed at lesser
extent to the CLPP24h (5.0% and 3.5% respectively). Polymers and phenolic compounds increased
significantly (NPMNOVA; p < 0.05) from CLPP24h to CLPP168h (17.9% and 5.4%, respectively) and
mainly contributed, together with carboxylic acid degradation, to define the CLPP at 168h (Figure 4c).

In altered conditions, the CLPP24h was characterized by a wide utilization of the provided
substrates (Table 4) and no statistical changes were recorded in the degradation patterns over the
incubation time (Table 4). Carbohydrates (31.5%) were utilized preferentially, although at lesser
extent with respect to the pristine and mixed conditions (NPMANOVA; p < 0.05). A relatively higher
contribution of carboxylic acids (23.5%), polymers (14.1%), amines (6.2%) and phenolic compounds
(5.7%) was also observed (Figure 4a). Compounds that mostly contributed to the CLPP24h were D-malic
acid and pyruvic acid methyl ester (3.0% and 2.4%, respectively), tween-80 (3.4%), phenylethyl-amine
(3.2%) and 2-hydroxy benzoic acid and 4-hydroxy benzoic acid (3.1% and 2.6% respectively) (Figure 4b).
The relative CLPP168h was characterized for enhanced degradative skills toward specific substrata
such as: D-cellobiose (5.4%), glycogen (5.2%), itaconic acid (4.7%), and L-serine (3.9%) (Figure 4d).

4. Discussion

In this study, we found that the landfill-induced geochemical alteration determined changes in
the microbial functional diversity and metabolic physiological profile with an increased ability in
the substrate utilization passing from pristine to altered conditions (i.e., altered >mixed > pristine).
Although partly affected by the limitations of all experimental approaches performed in laboratory
conditions, the Biolog assay and the kinetic profiles of substrate degradation allowed assessing the
potential metabolic capacity of groundwater microbial communities, as a suitable information to
better understand the effects of potential inputs of allochthons organic substrates on the aquifer.
This methodological approach was consistently applied in several aquatic settings [37–40].

The Biolog assay relies on the different capacity of aquatic microorganisms to adapt to the
spatial and temporal variations in quantity and quality of dissolved OM pool available in the aquatic
environment [41,42]. Overall, the bioavailable OM fraction decrease by the transit from surface to
groundwater, passing through several soil and sediment layers [43–45]. Therefore, groundwater
ecosystems can show oligotrophic conditions and scarce productivity [10,46,47].

Microbial communities from the pristine and mixed groundwater showed the typical traits
found in subsurface aquatic environments, with a relatively lower affinity for most of the Biolog
substrates [10,48,49]. The heterogeneity in substrate utilization and the decreasing values of functional
diversity over time suggested a relatively lower metabolic versatility to adapt to newly available
substrates with respect to those in altered conditions. The physical-chemical characteristics in
pristine conditions were compatible with the preferential utilization of carbohydrates by microbial
communities, being their utilization associated to unbalanced nutrient conditions [50] and decreasing
redox potential [36,39]. Carbohydrates represent an important energy-rich carbon source, and constitute
storage molecules for the aquatic bacterial metabolism [51], being promptly and preferentially utilized
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through the catabolic heterotrophic pathway that involve oxidation of simple or complex carbohydrates
and oxygen as a terminal electron acceptor [52,53]. According to the degradation patterns of C-rich
substrates, the microbial communities in pristine and mixed condition were likely to be affected by
C-limitation. Only after 168 h, microbial communities in pristine conditions developed the ability
to degrade polymers (i.e., tween 80) and amines (phenylethyl-amine and putrescine). Polymers are
complex carbon substrates, including compounds of synthetic origin. In particular, tween 40 and tween
80 are nonionic surfactants used as oil-in-water emulsifiers in pharmaceuticals, cosmetics, and cleaning
compounds. The delay in utilizing tween 80 may reflect the metabolic plasticity [54] that modulates the
microbial community functions, suggesting a higher sensitivity of pristine communities to contingent
events of contamination by anthropogenic organic pollutants. The shift toward the utilization of
amines in the pristine condition might indicate the presence of opportunistic classes of bacteria and
a condition of nitrogen deprivation [37,55]. Unlike C-enriched substrates (i.e., carbohydrates and
polymers), amines are enriched in nitrogen and utilized by bacteria to synthetize organic molecules
such as amino acids and proteins [56].

In altered conditions, microbial communities were relatively more efficient in metabolizing most
of all provided substrates, since the early stage of incubation. Although the degrading activity on
Biolog carbon sources did not reflect the presence of these specific compounds in the groundwater,
a higher homogeneity in substrates utilization and a relatively higher affinity with organic substrates,
suggested a higher number of metabolic pathways, which may allow microbial communities to exploit
several carbon sources [20,57,58]. The input of OMs of different origins and quality can induce
the development of a well-structured community and rare taxa that contribute to enhance the OM
biodegradation [42,59]. In addition, the occurrence of fecal indicator bacteria (i.e., E. coli) in altered
conditions indicated the input of microorganisms originating from the surface environment, suggesting
the co-presence of microorganisms with different functional traits other than those originally available
in groundwater. In altered groundwater a higher prokaryotic cell abundance and a structural shift
toward LNA cells was observed as similarly found for impacted groundwater [24,57,60]. Notably, LNA
cells were found to be specifically composed by selected microbial taxa, which were also considered
differently responsive to environmental changes than HNA cells [24,61].

In altered groundwater, the metabolic profile relied mainly on carboxylic acids, phenolic
compounds, polymers, and amines. Carboxylic acids can be considered part of the labile pool
of the organic matter in the aquatic environment, which is an important carbon source for the
aquatic microorganisms [62,63]. These substrates are naturally occurring as products of the bacterial
degradation and photochemical degradation of the organic matter in surface waters [64,65]. The prompt
ability (24 h) in the utilization of complex polymers (tween 80) might indicate the presence of organic
pollutants in altered groundwater, being this functional trait linked to polluted environment [55,63].
In this study, organic pollutants were detected at low concentration in some of the altered groundwater
sites [25].

Interestingly, glycogen was one of the polymers utilized by microbial communities in altered
conditions in the last stage of incubation. Glycogen, representing a source of readily available glucose
for many organisms, is a highly branched polysaccharide that consists of glucose units linked in
a linear chain. Glycogen is accumulated in bacterial cells during the stationary phase or during
inorganic nutrient limitation, conditions that very likely occurred in the last stage of incubation [66].
Moreover, the presence in these groups with specific functional abilities might be deduced, being the
degradation of glycogen performed by a set of extracellular enzymes (i.e., glycogen phosphorylases
and glycosidases such as α-amylases) owned only by those bacteria that complete the degradative
processes to carbohydrates [67]. The consumption of N-rich substrates (phenylethyl-amine and
L-serine) across the incubation time of samples from altered conditions, was compatible with a strong
nitrogen depletion of the microbial degradative processes given the relatively high activity occurring
with respect to pristine and mixed conditions.
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5. Conclusions

Changes in groundwater quality can directly affect the functional properties of the aquatic
microbial communities with implications on the pattern of the biogeochemical cycling. The Biolog
assay provided valuable information for tracking different levels of groundwater alterations. It is
topical to understand the structural and functional diversity of the microbial community implied
in the C-cycling and ecosystem services (i.e., nitrogen removal, pollutants degradation, and DOC
assimilation). The microbial metabolic potential and the environmental factors shaping microbial
community functioning are important to understand the potential drivers of biodegradation, thus
helping to develop advanced strategies for groundwater management.
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Abstract: Groundwater communities residing in contaminated aquifers have been investigated
mainly through taxonomy-based approaches (i.e., analyzing taxonomic richness and abundances)
while ecological traits have been rarely considered. The aim of this study was to assess whether a trait
analysis adds value to the traditional taxonomy-based biomonitoring in N-contaminated aquifers.
To this end, we monitored 40 bores in the Vomano alluvial aquifer (VO_GWB, Italy) for two years.
The aquifer is a nitrate vulnerable zone according to the Water Framework Directive. The traditional
taxonomy-based approach revealed an unexpectedly high biodiversity (38 taxa and 5725 individuals),
dominated by crustaceans, comparable to that of other unpolluted alluvial aquifers worldwide.
This result is in contrast with previous studies and calls into question the sensitivity of stygobiotic
species to N-compounds. The trait analysis provided an added value to the study, unveiling signs of
impairments of the groundwater community such as low juveniles-to-adults and males-to-females
ratios and a crossover of biomasses and abundances curves suggestive of an intermediate alteration
of the copepod assemblages.

Keywords: crustaceans; copepods; stygobiotic; traits; groundwater; nitrate; ammonium; nitrite;
nitrogen; contamination

1. Introduction

The taxonomy-based approach, which is traditionally focused on the analysis of taxonomic
richness and abundances, has long been used to characterize and assess the impairment of freshwater
ecosystems [1]. Following this approach, biological samples are collected from impaired sites and
the taxa are identified, enumerated, and then compared to those of pristine reference sites (e.g., [2]).
Trait-based approaches have been developed over the years alternatively to the taxonomy-based
one or, more often, in combination with it. Traits are measurable physiological, morphological, and
ecological characteristics of organisms, populations, or communities, such as the body size, the trophic
role, the duration of life cycle, the reproductive rate, and so forth [3]. The trait-based approach
allows understanding ecosystems in ways often unattainable by studies that are exclusively focused
on taxonomic diversity. In the first place, traits i) reflect the species (population or community)
adaptation level to their environment [4] and ii) can be used as measures of functional diversity [5].
Secondly, trait-based approaches work well across geographies since many traits are shared by widely
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distributed taxa [3]. From this perspective, some traits can be even applied across ecoregions [6].
Other strengths are that they add diagnostic knowledge, do not require new sampling methodology,
and can supplement taxonomic analyses, while weaknesses are redundancy, autocorrelation, and
difficulty in the measurements [3]. One of the most useful and fascinating aspects of trait-based
approaches is that they can reveal a substantive trait variation (e.g., metabolic changes) before the
taxonomic composition of the community is impaired by the loss of some species [1]. Similarly, some
traits may have an earlier diagnostic potential regarding ecosystem recovery [1]. However, the decision
to prefer a trait-based approach over a taxonomy-based one must be taken with caution; rather, the
best option is the combination of the two approaches, at least for freshwater ecosystems [1]. In fact,
trait-based approaches may fail to diagnose impacts on imperiled species which are rare in terms
of abundance, because of functional redundancy [1]. On the other hand, the diagnostic power of
a taxonomy-based approach decreases if the community is not characterized at the species level,
but rather described at the genus or even family resolution, as required in several biomonitoring
programs [7,8].

Although trait-based approaches have an old tradition in freshwater ecology (reviewed in [1]),
they have not been widely applied to groundwater ecosystems. Groundwater habitats, and alluvial
aquifers in particular, are characterized by lack of light and by environmental conditions that are
more stable compared to surface water environments [9]. The absence of light precludes primary
production by photosynthesis, so groundwater ecosystems are generally reliant on allochthonous
organic carbon from surface environments [10,11]. However, particulate organic matter is not always
available to groundwater food webs because it is intercepted in the soil and the unsaturated zone [10].
Consequently, the basal food source for stygofauna (obligate groundwater-dweller fauna) consists
mainly of bacteria and the organic matter that is assimilated by microorganisms [12–14]. Unlike surface
waters, groundwater ecosystems support only a few vertebrate species and the invertebrate assemblages
are generally dominated by crustaceans [15,16]. Groundwater invertebrate assemblages also may
include mites, oligochaetes and, rarely, insects and mollusks [9,17]. Copepods, amphipods, isopods,
and syncarids are crustacean taxa commonly collected in healthy groundwater ecosystems [18,19].
The response of stygobiotic communities to impairments due to anthropic pressures has often been
examined through taxonomy-based approaches [20–23]. Recently, some stygofaunal traits have proven
to be useful in assessing the response of groundwater communities to groundwater flooding [24],
carbon input [25,26], habitat structure [27,28] and chemical contamination [20,29–31]. However,
the selection of a set of traits that best characterize groundwater communities is still to come.

Alluvial aquifers are particularly prone to organic pollution as their outcrops are frequently
cultivated or occupied by urban settlements [21,32]. As a result, an increase in the concentrations of
nitrate, nitrite, and ammonium is often observed in groundwater, with long-lasting exceedances of the
legal limits [22]. Organic contamination is known to cause a change in the structure and composition
of stygobiotic assemblages. Elevated concentrations of N-compounds, due to contamination through
sewage and septic tank leaks, or due to the overuse of natural and synthetic fertilizers, alter the structure
of groundwater communities through favoring the proliferation of surface water organisms [22,33,34].
However, the ecological studies conducted on alluvial aquifers contaminated by N-compounds are
still rather scarce and reliant on the taxonomy-based approach [21,35].

The aim of this study was to evaluate the performance of a trait-based approach in the ecological
characterization of an alluvial aquifer with a ten-year history of N-compound contamination. To this
end, we analyzed the biological assemblages of the Vomano alluvial aquifer (central Italy) that, in 2010,
was designated as a Nitrate Vulnerable Zone (NVZ) under the Water Framework Directive (EC, 2000)
due to a nitrate contamination affecting over 50% of the groundwater body volume [36]. We measured
five ecological traits and compared the results with those deriving from the traditional approach based
on taxonomic richness and abundance distribution.

24



Water 2019, 11, 2553

2. Materials and Methods

2.1. Study Area

The study was performed on an alluvial aquifer (VO_GWB; Figure 1) located in the hydrographic
basin of the River Vomano (Italy). The outcrop of the aquifer is 30 km2. VO_GWB is mainly fed by
the River Vomano waters and rainfalls which reach the base of the aquifer in a few weeks [36,37].
The alluvial deposits of VO_GWB consist mainly of gravel and sand interbedded by silty-clay lenses of
limited extension [37]. The basement of the aquifer (at a depth of about 35 m) is made up of silty-clay
deposits of very low permeability [37]. The groundwater flow is NW–SE directed, and the aquifer mean
discharge is 1.3× 10−2 m3/s [36]. VO_GWB is used for drinking and industrial and agricultural purposes.
The chemical and quantitative status of VO_GWB is routinely monitored by the local environmental
authority according to the requirements of the Water Framework Directive [38] and Groundwater
Daughter Directive [39]. In 2010, VO_GWB was designated as a Nitrate Vulnerable Zone (NVZ) under
the Water Framework Directive [38] due to a persisting (>10 years) nitrate contamination [36].

Figure 1. Clockwise: the aquifer VO_GWB in Italy and in the Abruzzo region; sampling sites (black
dots) location.

Groundwater sampling occurred in 40 bores used for agricultural purposes (Figure 1).
Groundwater organisms and water samples for chemical analyses were collected from shallow
bores (up to 30 m deep) in autumn 2014 and spring and winter 2015 for a total of 97 samples.
The altitude of the bores varied from 0 to 240 m above sea level and the depth from 2 to 30 m below the
soil level. The piezometric level, measured using a freatimeter (PASI, Turin), was in the range 0.5–25.9
m below ground level. The bores’ distance from the River Vomano varied from a minimum of 167 m to
a maximum of 1733 m.

Groundwater flow of VO_GWB is considered basal, meaning that the groundwater undergoes
remixing at all aquifer depths [37]. Preliminary investigations in which the aquifer volume was
arbitrarily subdivided into three (0–10 m, 11–20 m, and 21–30 m deep) or two (0–15 m, 16–30 m deep)
sectors did not reveal any significant environmental or biological pattern (Supplementary Materials:
PRELIMINARY). For this reason, the aquifer was investigated as a unique groundwater unit.
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2.2. Biological Survey

Bores were sampled with either an immersion pump (IP), a manual pump (MP), or a modified
Cvetkov net [40], depending on the bore type (drilled or hand-dug). Five hundred liters of groundwater
were withdrawn using IP and 50 L using MP. The volumes were subsequently filtered by a 60 μm
mesh net to collect groundwater fauna. The modified Cvetkov net, equipped with a weight anchored
to the tail, was lowered into the hand-dug bores to the bottom and subsequently hauled to filter the
entire column of bore water. Ten hauls were performed in each bore [41]. The collected samples were
transported in 1 L plastic vials to the laboratory within 6 h and then fixed in 70% ethanol solution.
In the laboratory, specimens were sorted under a stereomicroscope at 16×magnification and identified
to the lowest taxonomic level possible. Copepods were identified to species level after dissection and
subsequent observation with a Leica DM 2500 optical microscope, following dichotomous keys [42,43]
and more recent taxonomic papers.

Depending on the degree of adaptation to groundwater, each taxon was classified either as
stygobiont (SB: species strictly associated to groundwater habitats, where it completes the whole
life cycle; [44]) or non-stygobiont (nSB: epigean species accidentally or occasionally occurring in
groundwater). Each specimen of the dominant taxon (Copepoda; see par. 4.) was individually
photographed under a Leica M205C stereomicroscope. Length and width were measured with
the software LAS (Leica Application Suite, Version 4.7.1 of Leica Microsystems, Wetzlar, Germany).
Copepod lengths (in mm) were measured from the tip of the cephalic shield to the end of caudal
rami, while width (in mm) was measured at the larger somite bearing legs. Sex was identified in
adult individuals. Afterwards, copepod body dimensions (length and width) were converted to
species–specific biovolume (in nL) using Equation (1) [45]:

BV = a× b2 ×CF (1)

where BV = biovolume, a = length (mm), b =width (mm), and CF is a correction factor that accounts for
the body shape. CF varied from 230 to 750 according to the body shape outlines of each specimen [46].
The biovolumes were then converted into individual fresh weights assuming a specific gravity of
1.1 [24]. The dry mass (mg) was estimated assuming a dry/wet weight ratio of 0.25 and the dry weight
carbon content (biomass) was assumed to be 40% of the dry mass [47].

2.3. Environmental Survey

Physicochemical parameters, such as electrical conductivity (μS/cm), pH, dissolved oxygen
(mg/L), and temperature (◦C), were measured in situ with a multiparametric probe (WTW 3430 SET G).
Two liters of groundwater were collected and stored in high-density polyethylene bottles for further
chemical analyses aimed at measuring the concentrations of the 110 chemical compounds indicated in
the Supplementary Materials (ENV). Particulate organic matter (POM) was obtained as the difference
between the sediment weight deprived of the faunal component and dehydrated at 105 ◦C and that
obtained after combustion of the organic fraction at 540 ◦C.

2.4. Data Analysis: Environmental Variables

As subsequent samples from the same bore must be considered temporal pseudoreplicates
producing bias in the statistics [48], the mean values of each abiotic variable were used in the statistical
analyses in the place of the raw data. Only 22 variables out of 110 were analyzed, that is, only those
showing a standard deviation (SD) � 0 (Table 1) so as to exclude irrelevant variables in the statistical
models. Potential environmental patterns were investigated through a principal component analysis
(PCA) on the basis of the Euclidean distance matrix. Prior to PCA, data were normalized and a
Draftsman’s plot was used to examine the correlation among the environmental variables [49,50].
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Table 1. Mean and standard deviations (SD) of the 22 environmental variables (Var.) retained in the
statistical analyses. Alt: altitude (m above sea level); W.t.: water table (m below ground level.); T:
temperature (◦C); EC: electrical conductivity (μS/cm); O2: dissolved oxygen (mg/L); POM: particulate
organic matter (mg/L); TOC: total organic carbon (mg/L); DOC: dissolved organic carbon (mg/L); NO2

−,
NO3

−; NH4
+, SO4

2−; Cl−, PO4
3−, Ca2+, K+, Na+ (mg/L); DIC: cis-1,2-dichloroethylene (μg/L); TCE:

1,1,2,2-tetrachloroethylene (μg/L); CHL: trichloromethane (μg/L); THC: total hydrocarbons (expressed
as n-hexane in μg/L). TV: legal threshold value. Mean values exceeding legal limits are indicated
in bold.

Var. Mean SD TV

Alt 72.7 72.3
W.t. 8.3 5.3

T 16.9 1.7
EC 1166 231
pH 7.3 0.2
O2 4.7 1.6

POM 0.73 2.32
TOC 3.02 2.39
DOC 2.18 1.70
NO2

− 10.25 11.19 0.5
NO3

− 61.60 30.07 50
SO4

2− 103.75 51.97 250
Cl− 55.76 37.49

PO4
3− 0.27 0.42

NH4
+ 0.23 0.50 0.5

Ca2+ 144.99 30.13
K+ 5.22 2.312

Na+ 60.17 33.31
DIC 0.03 0.043 0.05
TCE 0.07 0.132 1.1
CHL 0.04 0.046 1.5
THC 25.7 4.480 350

2.5. Taxonomy-Based Approach

The exhaustiveness of the biological sampling effort was assessed through taxonomic richness
estimations, using nonparametric estimators, namely, Chao1, Chao2, Jackknife1 and Jackknife2,
Bootstrap, Michaelis-Menton (MM), and Ugland-Gray-Ellingsen (UGE) [51]. Values were estimated by
means of 999 randomizations without replacement.

Abundances were expressed as ind/L dividing the number of individuals of each sample by its
volume (liters). Raw data are available in the Supplementary Materials (BIO_VOGWB). Abundances of
temporal replicates were summed per each sampling site prior to being used in the statistical analyses.
Potential biological patterns were examined using a non-metric multidimensional scaling (nMDS)
analysis, incorporating Bray-Curtis similarities after adding a dummy variable equal to 1 [49]. Prior to
nMDS, data were log(x + 1)-transformed to approximately conform the data to normality. BIO-ENV
analyses [52], based on Spearman’s rank correlations, were performed to find the ‘best’ match between
the biological and the environmental data. The statistical significance of the results of the BIO-ENV
routine was tested by the global BIO-ENV match permutation test whereby each set of samples
was randomly permuted 99 times relative to the others [52]. In addition to multivariate analyses,
univariate statistics was performed to assess correlation between individual environmental variables
and cumulative abundances per sampling site. The significance was assessed through a permutation
test performed by randomly shuffling 999 times the independent variable (i.e., the environmental
variables). The permutation test was selected because it is more powerful than tests based on normal
theory assumptions when data distribution departs substantially from normality, as it was the case for
the data of this study. Regressions were performed with the ape library in R 3.0.2 [53].
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Finally, the structure of the biological assemblages of N-compound-contaminated alluvial aquifers
other than VO_GWB was obtained from literature by using i) ISI Web of Knowledge SM (© 2010
Thomson Reuters, Toronto, ON, CA) with the following strings applied to the topic field: “aquifer”
and “stygo*” and “nitrate” or “nitrite” or “ammon*”; ii) Google with the same setting as for i).

2.6. Trait-Based Approach

Potential biological patterns were examined using the following traits and the statistical settings
as for the taxonomy-based approach (par. 2.5): Trait#1 (crustaceans vs. non-crustaceans); Trait#2 (SB
vs. nSB); Trait#3 (adults vs. juveniles); Trait#4 (males vs. females); Trait#5 (biomass). Since copepod
crustaceans accounted for 98% of the aquifer biodiversity, Traits#2–5 were analyzed with respect to
copepods only. We analyzed these traits since previous studies have demonstrated that they are
reliable indicators of impairment of groundwater communities, with particular references to organic
contamination. In detail: i) groundwater assemblages dominated by non-crustacean taxa and a high
nSB/SB ratio should be considered impaired [34]; ii) the sex ratio of some populations of copepods
may be skewed in favor of female individuals in impaired water bodies [54–56]; iii) the development
of juvenile copepods is slowed down in populations exposed to ammonium with respect to control
populations [57]; and the survival of copepodids under N-compound exposure is significantly lower
than that of adult individuals of the same species [58]. Finally, we analyzed the biomass because
its relationship with abundances provides key information about community impairment [49,50].
Distributions of copepod species abundances and biomasses were compared on the same terms with
k-dominance curves, namely applying the Abundance/Biomass Comparison method (ABC) with the
following assumptions [52]: i) in an undisturbed community, the k-dominance curve for biomass lies
above the curve of abundances for its entire length; ii) as impairment occurs and becomes more severe,
the abundance curve lies above the biomass curve, in part, or completely. The W statistic was used to
algebraically interpret the position of the curves, the metric values being in the range −1,1 (though
neither limit is likely to be attained), with W close to 1 indicating undisturbed condition, W close to 0
indicating intermediate impairment, and W close to −1 indicating severe impairment [52].

Eventual significant patterns of each trait were explored by nMDS plots performed on the
Bray–Curtis dissimilarity matrices as in the taxonomy-based approach (par. 2.5). Similarly, BIO-ENV
analyses [52] and permutational regressions were used to explore the correlations between the
environmental variables and the data of the individual traits.

3. Results

3.1. Environmental Variables

Mean and SD values of the 22 variables with SD � 0 are shown in Table 1.
Mean values of nitrites and nitrates were indicative of contamination according to the legal

threshold values (respectively: 0.05 and 50 mg/L) set by Italian regulation [59].
Nitrite contamination was detected in 24 out of 40 bores, 20 of which also showed a nitrate

contamination. Overall, bores contaminated by nitrates were 30 out of 40. Fifteen out of 40 bores
were contaminated by ionized ammonium. Seven of these bores were also contaminated by nitrates
while nine were contaminated by nitrites. Overall, contamination by N-compounds (nitrites, nitrates,
and ionized ammonium) involved 36 bores out of 40. The PCA (matrix: 22 variables × 40 sampling
sites; plot not shown) explained only 34% of the cumulative variance of the environmental data on the
first two axes, failing to highlight a clear pattern of the environmental variables. This result implies
that the chemical and physicochemical conditions of VO_GWB were uniform through the aquifer and
there were no areas with environmental peculiarities.
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3.2. Taxonomy-Based Approach

The stygofauna collected in VO_GWB accounted for 5724 individuals belonging to 38 taxa
(35 crustaceans, 2 insect instars, and 1 water mite). Crustaceans were dominant in terms of abundances
(99.70%), followed by insects (0.23%) and water mites (0.07%). Among crustaceans, the taxon Copepoda
accounted for 97.93% of the total abundances, Amphipoda for 1.52%, Isopoda for 0.02%, Syncarida for
0.16%, and Ostracoda for 0.37%. Two out of seven non-parametric estimators reached the asymptotes,
indicating the exhaustiveness of the sampling effort (Supplementary Materials: SRC). The remaining
estimators indicated that the sampling effort was such to cover from 67% (Chao1) to 90% (Bootstrap) of
the expected biodiversity of the aquifer.

Literature data related to N-compound concentrations and groundwater taxonomic richness in 11
alluvial aquifers worldwide are reported in Table 2.

Table 2. Taxonomic richness (T: number of taxa; SB: number of stygobiotic taxa; nSB: number of
non-stygobiotic taxa; C: number of crustacean taxa; Co: number of copepod taxa) and nitrate, nitrite,
and ionized ammonium concentrations (mean values in mg/L) relating to 11 alluvial aquifers worldwide
obtained from this study and from literature. Ref: references. N-compound exceedances are in bold.
(ts): this study.

Country Alluvial Aquifer Area T SB nSB C Co NO3
− NO2

− NH4
+ REF

Australia Murray 97,000 11 8 2 2.4 0.04 [60]
Australia Gwydir 26,600 21 >5 8 2 8.0 [61]

France Ariège 250 10 10 0 10 0 90.0 31 [62]
France Ariège and Hers 540 36 14 22 4 >50.0 [35]

Germany Rhine 5000 35 16 22 35 23 4.2 0.33 [63]
Italy Vibrata 48 18 9 9 14 12 72.5 [21]
Italy Adige 45 15 9 6 15 15 7.8 0.01 0.16 [22]
Italy Lessinia 428 21 20 10 29.7 [64]
Italy Vomano 30 38 21 17 35 28 61.6 10.25 0.23 (ts)

Slovenia Brest 6 38 22 16 23 15 2.5 [65]
Spain Tajo 201 11 3 8 11 6 11.4 0.02 0.19 [66]

The stygobiotic cyclopoid Diacyclops cosanus (Dco) occurred in 15 bores out 40 and was the species
with the widest distribution in VO_GWB. The remaining 35 taxa occurred in less than 12 bores out of
40 and 24 taxa (12 of which were stygobiotic) occurred in less than 4 bores. Bore PV28 (13 m deep)
showed the highest biodiversity, with 11 taxa, 7 of which were stygobiotic, followed by PV48 (20 m
deep) with 10 taxa, 9 of which were stygobiotic. More than 50% of the bores (namely, 23 out of 40)
were characterized by a maximum of three taxa and no taxa were collected from three bores, namely,
from P26 (18 m deep), PV53 (10 m deep), and PV62 (8 m deep).

The nMDS plot (Figure 2; 2D stress: 0.03; matrix: 38 variables × 40 sampling sites) showed a
group of 27 bores of different depths (from 4 to 30 m deep), almost completely overlapping at the
center of the plot and surrounded by 11 bores (from 2 to 25 m deep) located at different distances.
Thirteen out of 38 taxa were exclusive of the bores overlapping in the center of the plot, namely, the
copepods Paracyclops fimbriatus (Pfi), Bryocamptus pygmaeus (Bpy), Eucyclops serrulatus (Ese), Diacyclops
maggii (Dma), Graeteriella unisetigera (Gun), Nitokra hibernica (Nhi), Nitocrella fedelitae (Nfi), Nitocrella
achaiae (Nac), Bryocamptus dentatus (Bde), Elaphoidella plutonis (Epl), Pseudectinosoma reductum (Pre),
the amphipod Niphargus sp. 2 (Nsp2), and a species belonging to the Coleoptera Elmidae (Elm).
Three species, namely, the copepods Diacyclops bicuspidatus (Dbic) and Nitocrella kunzi (Nku), and the
amphipod Niphargus sodalis (Nso), occurred exclusively in the not-overlapping bores (Figure 2 and
Supplementary Materials: BIO_VOGWB).
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Figure 2. nMDS (2D stress: 0.03) ordination plot following the taxonomy-based approach in VO_GWB.
Acronyms are as in the Supplementary Materials: BIO_VOGWB. Vector overlays are reported as
exploratory tools to visualize potential linear monotonic relationships, based on Pearson correlation,
between the taxa abundances and the nMDS ordination axes [52].

The BIO-ENV analysis showed that there was no significant explanatory relationship between
the environmental variables and the matrix of the 38 taxa collected in VO_GWB. In fact, the sole
environmental variable which best correlated to the taxa abundances was POM (ρ = 0.436) and the
best n-dimensional combination consisted of five variables, namely, electrical conductivity, pH, nitrites,
nitrates, and ionized ammonium. However, the real value of ρ fell within the 95% confidence limit of
the normal distribution of randomly permuted values of ρ (p-value = 14%), indicating that the null
hypothesis of no relationship between the best subset of environmental variables and the community
structure should not be rejected. Univariate analyses gave significant results. In fact, cumulative
densities were negatively correlated, although weakly, to electrical conductivity, dissolved oxygen,
nitrates, sulphates, calcium, and sodium (Supplementary Materials: REGR). However, R2 values were
<20% for all parameters except for electrical conductivity (R2 = 57%), meaning that the regression
models had a low predictive potential.

3.3. Trait-Based Approach

Trait#1 (crustacean vs. non-crustacean taxa). VO_GWB was dominated by crustaceans, occurring
with 35 out of 38 taxa. The nMDS returned an arched, or horseshoe, pattern. This effect is very common
in datasets in which there is a progressive turnover of a dominant variable [67]. In fact, the nMDS
bubble plot showed that the arch effect was due to the turnover of crustacean taxa (Supplementary
Materials: nMDS_T1). The BIO-ENV analysis indicated no significant relationship between the best
subsets of environmental variables (POM: ρ = 0.435; p-value = 18%) and the abundances of crustacean
and non-crustacean taxa. Univariate analyses did not highlight significant correlation between the
cumulative abundances of crustaceans (or non-crustaceans) and the individual environmental variables.

Trait#2 (SB vs. nSB taxa). Seventeen out of 38 taxa were nSB and 21 were SB (Supplementary
Materials: BIO_VOGWB). The nMDS (2D Stress: 0.03) showed that SB and nSB taxa occurred almost in
all bores (Figure 3a), however, with different abundances.
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Figure 3. (a) nMDS plots (stress: 0.03) performed on copepod abundances data of both nSB and SB
species; (b) nMDS bubble plot of the nSB species (ind/L); (c) nMDS bubble plot of the SB species (ind/L).

SB abundances (Figure 3b) were higher in the eight bores located in the upper sector of the plot
while nSB abundances (Figure 3c) were higher in the lower sector of the plot, and in particular, in five
bores. The group of eight bores with the highest abundances of SB taxa differed from the group of
the five bores in the mean values of some environmental variables. Specifically, the average values of
POM (0.44 mg/L), nitrite (9 mg/L), and ionized ammonium (0.031 mg/L) were lower in the bores with
high densities of SB than in those with high densities of nSB (POM: 1.33 mg/L, nitrite: 13 mg/L, ionized
ammonium: 0.644 mg/L). On the other hand, the mean values of electrical conductivity (1237 μS/cm),
nitrates (79 mg/L), sulphates (109 mg/L), chloride (51 mg/L), calcium (156 mg/L), and sodium (53 mg/L)
were higher in the sites with high densities of SB than in those with high densities of nSB (electrical
conductivity: 835 μS/cm, nitrates: 43 mg/L, sulphate: 45 mg/L, chloride: 30 mg/L, calcium: 105 mg/L,
and sodium: 31 mg/L). However, the BIO-ENV analysis indicated no significant relationship between
the best subsets of environmental variables (POM: ρ = 0.443; p-value = 16%) and the densities of the two
ecological categories. The univariate analyses highlighted a significant negative correlation between SB
copepod abundances and bore depth (Supplementary Materials: REGR), however, with an R2 equal to
11%. The abundances of nSB copepods were negatively correlated to electrical conductivity, dissolved
oxygen, nitrate, sulphates, calcium, and sodium (Supplementary Materials: REGR). R2 values were
<20% for all parameters except for electrical conductivity (R2 = 57%).

Trait#3 (adults vs. juveniles). All copepod species were collected with adults and juveniles
with a few exceptions, such as the nSB species Nitokra hibernica and the SB species Nitocrella fedelitae,
Nitocrella morettii, Nitocrella kunzi, Bryocamptus dentatus, and Pseudectinosoma reductum, which were
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collected with adults only. The nMDS plot (Supplementary Materials: nMDS_T3) showed no clear
separation of the bores, however, the bubble plot highlighted that adult copepods were slightly more
numerous than juveniles almost in every bore. The univariate analyses highlighted a significant
negative correlation between adult copepod abundances and electrical conductivity, dissolved oxygen,
nitrate, sulphates, calcium, and sodium (Supplementary Materials: REGR). A significant negative
correlation was assessed between juvenile abundances and electrical conductivity, sulphates, calcium,
and sodium as well (Supplementary Materials: REGR). However, R2 values were all <20%, except for
electrical conductivity (R2 > 50%).

Trait#4 (males vs. females). Twelve copepod species occurred with more females than males, nine
species with more males than females, and seven species with the same number of males and females.
Overall, the average abundance ± SD of males was 0.26 ± 0.70 ind/L and that of females was 0.67 ±
2.13 ind/L, with a sex ratio equal to 0.38. The nMDS did not show a clear pattern (Supplementary
Materials: nMDS_T4). The BIO-ENV analysis indicated no relationship between the best subsets of
environmental variables (POM: ρ = 0.437; p-value = 18%) and the abundances of males and females.
The univariate analyses highlighted a significant negative correlation between male abundances and
electrical conductivity, dissolved oxygen, nitrate, sulphates, and calcium (Supplementary Materials:
REGR). A significant correlation was assessed between female abundances and electrical conductivity,
dissolved oxygen, nitrates, sulphates, calcium, and sodium as well (Supplementary Materials: REGR).
However, R2 values were <20% for all parameters and for both males and females, except for electrical
conductivity (R2 > 43%).

Trait#5 (biomass). The total dry weight carbon (mean± SD) was 0.012± 0.061 mg/L C. Multivariate
analyses did not reveal significant patterns. The univariate analyses highlighted a significant negative
correlation between biomass and electrical conductivity, dissolved oxygen, and calcium (Supplementary
Materials: REGR). However, R2 values were all <20%, except for electrical conductivity (R2 = 42%).
The biomass and abundance curves partially crossed at about the 20th species but since both curves
were close to 100% at this point, the crossover was unclear (Figure 4). However, the W metric equal to
0.096 was indicative of a moderate impairment of the copepod assemblages.

Figure 4. Abundances-biomasses curves of copepod species in GWB_VO aquifer. The two curves’
crossover occurring at the 20th species and the metric W= 0.096 were indicative of moderate impairment
of the copepod assemblages [52].

4. Discussion

The taxonomic richness of VO_GWB was high and consistent with previous studies in other
European and non-European alluvial aquifers [60,64,66,68,69], both at the local and the regional
scales [15,70]. However, the number of species collected in VO_GWB is surprisingly high if considering
the persisting N-compound contamination which occurred in 90% of the aquifer. This study highlighted
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the high taxonomic richness and abundances of the assemblages of VO_GWB with respect to those of
other alluvial aquifers worldwide contaminated by N-compounds. The taxonomic richness (38 taxa)
and the abundances (5725 individuals) of VO_GWB were comparable to those of pristine alluvial
aquifers. Such a result is in contrast with previous data showing that freshwater invertebrates are
highly sensitive to N-compounds [71]. From this point of view, the results of this study represent a
novelty and require further ecotoxicological investigations. In fact, to date, ecotoxicological studies
with N-compounds have been focused mainly on non-stygobiotic invertebrates, with the exception
of the study carried out by [58], who analyzed the sensitivity of the stygobiotic cyclopoid Diacyclops
belgicus (not found in VO_GWB) to ionized ammonium. The low number of ecotoxicological data
concerning stygobiotic species, and the reasons behind the difficulty in carrying out such studies, have
recently been reviewed by [72], who have also claimed as unrealistic the probability of gathering new
data in the near future. Thus, the high taxonomic richness and abundances observed in VO_GWB will
likely remain unsupported by ecotoxicological considerations for some more time.

The traditional taxonomy-based approach showed that most taxa were collected only in a few
bores and showed, therefore, restricted distributions as already observed in other studies (e.g., [64,66]).
The most widespread species in VO_GWB, D. cosanus, is known to be highly tolerant to elevated
values of salinity and electrical conductivity, being collected in other N-contaminated alluvial aquifers,
in brackish coastal groundwater in southern Italy, and in sulfidic saturated karst [21]. The occurrence
of epigean species in the deeper sectors of VO_GWB is recurrent in alluvial aquifers, especially in those
polluted by contaminants of organic origin (e.g., [22,64]). The weak correlations of the environmental
and biological variables are a common result in groundwater studies, in particular, in aquifers that
are highly homogeneous from a physicochemical point of view [22,66,73]. In this study, the variance
explained by the univariate models was low and this indicated that further factors, in addition to those
already investigated, must be taken into account in the future to better explain the observed biological
patterns. For instance, copepod species interactions could play a role in determining the biological
assemblages in VO_GWB as already observed in other aquifers [74]. Similarly, previous studies showed
that the grain size composition of sediments [75–77], and the lowering of the groundwater table [21,75],
could influence the biological assemblage’s patterns in alluvial aquifers.

Trait#1 (crustaceans vs. non-crustaceans) highlighted the predominance of crustaceans
in VO_GWB. This result is in contrast with previous studies [21,33,62] which showed that
crustacean abundances are lower than those of non-crustaceans in aquifers polluted by N-enriched
infiltration waters.

Trait#2 provided additional information to this study, highlighting that stygobiotic species seemed
to thrive in the bores where non-stygobiotic species were less abundant. The environmental variables
did not entirely explain such a pattern. Hence, additional factors should be investigated such as the
isolation of the bores from the surface. In fact, groundwater habitats characterized by intense water
exchanges with the surface environment often exhibit a predominance of generalist non-stygobiotic
fauna, while isolated groundwater sites show a predominance, or even an exclusive occurrence, of
stygobiotic species [19,61,78,79].

Trait#3 showed that juveniles were less abundant than adult copepods and that some species
of stygobiotic copepods were collected exclusively with adults. This is a peculiar result because
stygobiotic copepod species are known to reproduce in groundwater, albeit showing a low fertility [80].
In unaltered ecosystems, juveniles are usually more abundant than adults, while the opposite was
observed in this study, at least for a few species. This result could be related to the N-compound
contamination of the aquifer. In fact, juvenile stages are generally more sensitive to pollution than
adults [81,82] as it was observed for the stygobiotic cyclopoid Diacyclops belgicus when exposed to
ammonium nitrate [58].

Trait#4 highlighted that the sex ratio departed from 1 and was equal to 0.38 in favor of females. In
diploid populations, sex ratio is usually equal to 1 [83,84], however, surface water populations’ sex ratio
tends to be skewed as result of seasonality, environmental conditions, and contamination level [54–56].
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In general, seasonality does not affect stygobiotic populations [44]. However, N-compounds could
have a role in determining a sex ratio <1 in VO_GWB. For example, the sex ratios of the populations of
Cyclops vicinus and Thermocyclops crassus were skewed in favor of female individuals in some altered
surface water bodies [54]. Although no correlations were assessed between nitrites, nitrates, or ionized
ammonium and abundances of adult male or female copepods in this study, these pollutants may
nevertheless have had an effect on the populations in the past, reducing the number of male copepods
during the ten-year-long contamination (still persisting in 2015) and inducing the skewed sex ratio <1
observed in 2014–2015.

Trait#5 highlighted that VO_GWB had an average carbon content equal to 0.012 ± 0.061 mg/L
C, accounting for 0.049 g C. With respect to the carbon content (0.004 g) measured in an unpolluted
chalk aquifer in southern England [24], the amount measured in VO_GWB is high. However, a fair
part of this value, namely 0.047 g C, was contributed by the individuals of Acanthocyclops robustus,
a large non-stygobiotic copepod species collected in bore PV36. Excluding the carbon contributed by
this species, the average dry carbon found in VO_GWB was equal to 0.006 g C which is comparable to
the amount measured in southern England [24]. However, the partial crossover of the biomasses and
abundances curves and the W metric indicated impairment of copepod assemblages although not as
severe as expected in a long-term contaminated alluvial aquifer as VO_GWB is.

Based on these results, we can conclude that the trait-based approach provided an added value
to this study, allowing a better characterization of the biological assemblages of VO_GWB. The main
difficulties that we encountered were i) the high taxonomic expertise required and ii) the long time
needed for measuring individuals. In fact, the attribution of the two categories “stygobiotic” and
“non-stygobiotic”, at least for copepods, necessitated identifications at species level and a solid
knowledge of the autecology of each species.

5. Conclusions

In this study, we pursued two objectives, namely, i) to provide new data concerning the biodiversity
of an alluvial aquifer affected by a persistent N-compound contamination, and ii) to assess whether
an approach based on some selected ecological traits may provide an added value to the traditional
taxonomy-based methodology. The alluvial aquifer investigated in this study showed a surprisingly
high biodiversity, dominated by crustaceans, comparable to that of alluvial aquifers in good chemical
state. This result is in contrast with the observations of previous studies. The results call into question
the real sensitivity of stygobiotic species (copepods, in particular) to N-compounds, which turned
out to be lower than expected. The trait-based approach provided new details, unveiling signs of
impairments of the groundwater community such as low juveniles-to-adults and males-to-females
ratios and a crossover of biomasses and abundances curves suggestive of an intermediate alteration
of the copepod assemblages. The signs of community alteration were not clearly imputable to
the N-compound contamination affecting the aquifer for 10 years so that further investigations are
needed, including additional factors such as sediment size and species interactions, in the analyses.
The application of a trait-based approach to copepod-dominated groundwater assemblages requires a
long time for data acquisition and high taxonomic skills. A trait database could ease the application
of such approaches in studies concerning groundwater ecosystems and its setup should be strongly
encouraged among researchers.

Supplementary Materials: The Supplementary Materials are available online at http://www.mdpi.com/2073-4441/
11/12/2553/s1.
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Abstract: Ecotoxicological data for obligate groundwater species are increasingly required to inform
environmental protection for groundwater ecosystems. Bathynellid syncarids are one of several
crustacean taxa found only in subsurface habitats. The aim of this paper is to assess the sensitivity
of an undescribed syncarid (Malacostraca: Syncarida: Bathynellidae) to common groundwater
contaminants, arsenic(III), chromium(VI) and zinc, and examine the bioaccumulation of As and Zn
in these animals after 14-day exposure. Arsenic was the most toxic to the syncarid (14-day LC50
0.25 mg As/L), followed closely by chromium (14-day LC50 0.51 mg Cr/L) and zinc (14-day LC50
1.77 mg Zn/L). The accumulation of Zn was regulated at exposure concentrations below 1 mg Zn/L
above which body concentrations increased, leading to increased mortality. Arsenic was not regulated
and was accumulated by the syncarids at all concentrations above the control. These are the first
published toxicity data for syncarids and show them to be among the most sensitive of stygobitic
crustaceans so far tested, partly due to the low hardness of the groundwater from the aquifer they
inhabit and in which they were tested. The ecological significance of the toxicant accumulation and
mortality may be significant given the consequent population effects and low capacity for stygobitic
populations to recover.

Keywords: groundwater ecology; stygofauna; stygobite; aquifer; syncarida

1. Introduction

Groundwater is vital to society globally. It provides drinking water to over 2 billion people
worldwide [1], and, in many areas, is the only reliable water source. Increasing demand for water
and risk of contamination from surface activities such as agriculture, urban development and mining
threaten the integrity of aquifers, their suitability as a water source, and the biota that inhabit these
subterranean ecosystems [2].

Groundwater ecosystems support a unique biota, consisting of microbial assemblages, frequently
crustacean-dominated invertebrate assemblages and, somewhat rarely, vertebrates such as fish [3].
Groundwater invertebrates particularly have evolved to dark, stable and low energy conditions
of groundwater environments, such that aquifers the world over contain a diversity of unique
taxa not found in surface environments [3]. Bathynellid syncarids are archetypal groundwater
organisms. Found only in hyporheic or groundwater environments [4], bathynellid syncarids share
the common morphological traits of blindness, lack of body pigments, vermiform (wormlike) body
shape, and enhanced sensory appendages that have evolved independently across multiple lineages of
groundwater fauna [3]. These traits and other adaptations make groundwater fauna morphologically
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and physiologically different from even related surface water species, and consequently, they may be
expected to respond differently to toxicants compared to surface-dwelling species [5].

As in any ecosystem, pollution threatens the health of the groundwater biota, with flow-on effects
to other elements of the ecosystem. For groundwater ecosystems, disruption to one element of the
ecosystem is likely to have significant effects on the microbial communities and subsequently impact
the ability of the ecosystem to self-purify and provide clean groundwater [6]. The risk to groundwater
ecosystems is that the fauna has evolved classic k-strategist traits of longevity, low metabolic and
reproductive rates [3], meaning that recovery from disturbance is, at best, slow [7].

Contamination of groundwater by metals is a global concern, often occurring as a result of
industrial uses, spills and land application of contaminated materials (Castano-Sanchez in press) [8].
Unfortunately, groundwater ecosystems may not be protected by water quality legislation to the same
extent as other aquatic ecosystems (such as rivers and estuaries) because water quality guidelines
for ecosystem protection are not based on toxicological data for the biota of that ecosystem [9,10].
Instead, existing water quality guidelines for groundwater ecosystems are based on toxicity data for
surface waters, but there are a number of reasons why groundwater biota may respond differently
to toxicants compared to surface water taxa [5]. In particular, the metabolic rates of groundwater
macroinvertebrates tend to be lower than those of related epigean species [11]. As a result, the uptake
of toxicants may be lower where uptake of toxicants is an active, metabolic-driven process [5].
Alternatively, the removal of toxicants accumulated by passive processes may be low, leading to greater
body burdens in groundwater fauna compared to surface water fauna [5].

The aim of this study is to test the sensitivity of an obligate groundwater crustacean (Malacostraca:
Syncarida) to metal and metalloid contaminants (Zn, As and Cr) in groundwater. The first step to
mortality and harm from contaminants is the uptake of those contaminants by the organism, so we also
examine here the uptake of these metals by the syncarids and relate uptake to exposure and mortality.

2. Materials and Methods

2.1. Test Species

In this study, we test an undescribed species of the family Bathynellidae (Malacostraca: Syncarida).
Until recently, all Australian Bathynellidae were assigned to the genus Bathynella, but phylogenies using
newly collected specimens suggest strong regional separation within the Australian Bathynellidae,
with specimens from eastern Australia being a separate clade [12–14], and those tested here likely a
novel taxon. Type specimens are held at Macquarie University. Unfortunately, taxonomic keys to
allow further identification are currently unavailable. However, multiple specimens from each test
were examined to ensure morphological consistency of the test organisms within and between tests.
Syncarida do not have morphologically different life stages after hatching [4], making it difficult to
determine life stage; however, the syncarids tested were approximately 1000 μm long and of similar
size within and between tests.

Test animals were collected from a fractured sandstone aquifer at Somersby, NSW Australia,
approximately 80 km north of Sydney (33◦22′15.4” S, 151◦18′9” E, Bore depth = 22 m). The sample
collection area is semirural. Groundwater in the region is used heavily by beverage bottling industries
and is considered of very high quality. There is no recorded history of groundwater contamination at
the site and analysis of the water over time has revealed very low concentrations of As, Cr and Zn,
as seen in Table 1. The groundwater is typically low in dissolved solids and has a slightly acidic pH as
a consequence of iron in the sandstone aquifer, as seen in Table 1.

Syncarids were collected from groundwater as described in Korbel & Hose [15] as summarised
below. Groundwater was pumped using a motorised inertia pump (Waterra, ON, Canada).
Approximately 300 L of water was pumped and passed through a 63 μm mesh sieve to collect
the invertebrates. The sieve contents were placed in a sealable, 1 L plastic container which was filled
with clean groundwater and placed in a portable cooler for transportation to the laboratory.
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Table 1. Physicochemical variables and concentrations of common metals in the groundwater at the
Somersby (NSW, Australia) collection sites (from [16]).

Water Quality Variable Units Concentration

pH 4.2–5.6
Conductivity μS/cm 131–195

Dissolved Oxygen % Saturation 59–83
Hardness mg/L as CaCO3 25–44

Total Organic Carbon mg/L 3–13
As mg/L <0.01
Cr mg/L 0.03
Zn mg/L 0.02

In the laboratory, containers containing the invertebrates were placed in a dark environmental
cabinet at 18 ◦C, which approximates the temperature of the groundwater at the time of collection.
Syncarids were acclimated to conditions in the environmental cabinet for at least 48 h prior to testing.
Tests were conducted within seven days of collection and data from repeat tests were pooled for analysis.

Tests were conducted following the methods reported in Hose et al. [16], which are summarised
below. Once acclimated, the syncarids were removed from the collection container using a pipette
and placed individually into wells of 24-well plates (Greiner) along with a known volume of clean
groundwater from the collection site. Treatment concentrations were randomly allocated to each well
and the required volume of clean groundwater added such that the subsequent addition of toxicant
solution would give a final test volume of 2.5 mL. The 24-well plates were covered and placed in a
dark cabinet at 18 ◦C for the duration of the test. Mortality was monitored daily and dead animals
were removed, rinsed in Milli-Q water and frozen individually for later analysis.

Toxicity tests were conducted over 14 days with the test end point being immobility, defined as
failure to move within 15 s of being gently prodded. This test was repeated twice within 15 min to
confirm immobility. Immobility was recorded at 96 h and 14 days. Dissolved oxygen, conductivity,
pH and temperature were recorded every 48 h from a randomly selected replicate of each treatment
using HANNA (Hanna Instruments Inc, Smithfield, RI, USA) handheld meters.

Each test was comprised of a negative control and six or seven test concentrations, each with four
or three replicate wells per plate, respectively. The number of animals varied between tests depending
on the number in field collections and controls in all tests had≥13 individuals. The concentration ranges
used for each toxicant were 0–10 mg As/L, 0–100 mg Zn/L, and 0–10 mg Cr/L. These concentrations span
the ranges reported in groundwater in the literature (e.g., [17–20]). Toxicants were tested individually.
Results from a test were not accepted if there was more than 20% mortality of organisms in control
treatments [10].

Toxicant stock solutions were made up in Milli-Q water. Chromium(VI) was added as K2Cr2O7

(Sigma-Aldrich, 99% purity), arsenic was added as NaAsO2 (Sigma-Aldrich, 98% purity) and zinc was
added as ZnSO4.7H2O (Ajax Finechem, 99% purity). Test concentrations were measured using the
S2 Picofox Total Reflection X-Ray Fluorescence (TRX-RF) Spectrometer (Bruker Nano GMBH, Berlin,
Germany), using the method for aqueous samples as outlined in [21]. A 1 mL aliquot of toxicant
solution was taken from randomly selected wells of each treatment at the completion of each test.
The aliquot of toxicant solution was spiked with approximately 5–10 μL of standard gallium solution,
which acts as an internal standard [21,22]. Aliquots of 20 μL of this solution were then pipetted
onto clean, hydrophobic carriers and dried before analysis. Analyses of spectra was done using the
Spectra software (version 7.5.3.0, Bruker Nano GMBH, Berlin, Germany). Toxicant concentrations
were averaged across replicates and these average values were used in subsequent statistical analyses.
Merck XVI multielement standard (Merck KGaA, Darmstadt, Germany) was analysed along with the
samples, and indicated average (±SD) recoveries of 107 ± 8% for As, 95 ± 5% for Cr, and 80 ± 5% for
Zn. Limits of detection were 1 μg/L for As and Zn, and 3 μg/L for Cr.
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The accumulation of As and Zn in the syncarids was measured using Particle Induced X-ray
Emission (PIXE). Individual syncarids were freeze dried and placed whole, intact on to sample holders
(see below). Resource limitations precluded the analysis of Cr.

2.2. PIXE Elemental Analysis

The samples were analysed for trace and bulk element concentrations with μ-PIXE using the Heavy
Ion Microprobe (HIMP) at the Australian Nuclear and Science Technology Organisation (ANSTO) [23].
The HIMP uses the Australian National Tandem Research (ANTARES) accelerator to accelerate ions to
the MeV energy range. In this analysis, a 3 MeV proton beam with typical spot size of between 5 and
10 μm was used. At this spot size, beam currents between 0.4 and 0.5 nA can be achieved, which is
sufficient for μ-PIXE analyses. A high-purity Germanium (Ge) detector was used with a 100 mm2

active area to measure the characteristic x-rays emerging from the calcification samples. The detector
was located 32 mm from the sample for optimum count rate and sensitivity. A 100 μm Mylar foil was
used to reduce the low energy x-rays count as well as prevent scattered protons from entering the
detector. Samples were fixed to the sample holder by means of double-sided carbon tape. This tape is
very pure and does not contain trace elements higher than oxygen (Z > 8). The tape does not affect
measurements and is effective in holding the samples providing good electric conductivity to allow
target current measurement. Each sample was then scanned for 5–30 min for extensive emission data to
be obtained. Elemental concentration maps were created using GeoPIXE [24,25] and used to calculate
the average elemental concentrations.

2.3. Statistical Analysis

Measured toxicant concentrations were compared with nominal concentrations using least squares
linear regression. Concentration response curves were estimated by fitting a two-parameter nonlinear
regression function with a binomial error structure using the DRC package [26] in R version 3.5.3 [27].
Weibull, log-logistic and log-normal models were fit to each dataset, with the best fitting model selected
based on Akaikes Information Criteria. The model parameters were estimated using maximum
likelihood, with starter values determined by the programs self-starter function. Concentrations
affecting 10% and 50% of the syncarids (EC10 and EC50 values, respectively) were extrapolated from
the fitted curve. Data from both 96 h and 14-day exposures were analysed separately.

The concentrations of As and Zn measured in syncarids after exposure were compared between
treatments using one-way analyses of variance. Post-hoc comparisons between treatments were made
using SNK tests. Data were log transformed to approximate normality and homogeneity of variance,
which were assessed visually using plots of residuals and Q-Q plots. Analyses of variance were done
using the NCSS program (Version 10, NCSS LLC, Kaysville, Utah, USA). The significance level (α) for
all analyses was 0.05.

3. Results

Measured test concentrations were mostly within 20% of the nominal concentrations, and have
been used in all analyses. Dissolved oxygen concentrations remained at 60% saturation or higher
throughout all tests. This level of oxygen saturation is in line with the general concentrations observed
in the field, as seen in Table 1. Temperature was consistently at or close to the test temperature of
18 ◦C. The hardness of the diluent water was relatively low, as seen in Table 1, which reflects the
low carbonate concentrations in the sandstone aquifer from which the fauna and diluent water was
collected. pH values varied little across the tests, and were in the range 5–6 pH units, as expected given
the naturally acidic groundwater used as the diluent water.

Control mortality at 96 h was below zero for Cr and As exposures, and 3% for Zn. At 14 days,
control mortality was higher across all tests (As: 9%, Cr: 11%, Zn: 11%), but below acceptability
criterion of 20%, as seen in Figure S1. A Weibull model was fitted to all data sets, with details provided
in Figure S1 and Table S1. Arsenic and Cr were similarly toxic after 96 h, but As was the most toxic
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after 14-day exposure. Zinc was the least toxic to the syncarids across both exposure periods, as seen
in Table 2. As expected, toxicity increased and EC values decreased with exposure period from 96 h to
14 days for all toxicants, as seen in Table 2.

Table 2. Toxicity of As(III), Cr(VI) and Zn to bathynellid syncarids. EC10 and EC50 values indicate the
concentration (mg/L) effecting 10% and 50% of the test population, respectively. Values in parentheses
indicate 95% fiducial limits, followed by the total number of animals tested (N).

As(III) Cr(VI) Zn(II)

Test
Duration

ECx Estimate
95% Confidence

Interval
Estimate

95% Confidence
Interval

Estimate
95% Confidence

Interval

N = 74 N = 71 N = 190

96 h 10 0.17 (−0.04–0.38) 0.11 (−0.07–0.28) 0.78 (0.30–1.26)
50 1.99 (0.79–3.19) 1.83 (−0.10–3.77) 3.61 (2.56–4.66)

14 days 10 0.01 (−0.02–0.04) 0.004 (−0.010–0.018) 0.21 (0.02–0.39)
50 0.25 (0.07–0.44) 0.51 (−0.07–1.09) 1.77 (1.11–2.43)

The mean body concentration of As in the syncarids in controls was 2.8 μg As/g, as seen in
Figure 1A. The body concentrations in all exposure treatments were significantly greater than in the
controls (p < 0.05), and concentrations in syncarids from the 10,000 and 300 mg/L treatments were
greater than those in the 100 mg/L treatment (p < 0.05), but were not significantly different to each
other, as seen in Figure 1A. The PIXE maps showed that As was concentrated around the head, anterior
thoracic and abdominal sections, as seen in Figure 2.

Figure 1. Mean concentration (±SE) between exposure concentration and mean body concentration in
bathynellid syncarids exposed to (A) As and (B) Zn. Common lower case letters indicate no significant
difference (p > 0.05) between those treatments.
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A B C 

Figure 2. Images of As accumulation in bathynellid syncarids exposed to As in aqueous solution. Mean
concentrations of specimens shown were (A) 12 ppm, (B) 2 ppm, and (C) 28 ppm.

Concentrations of Zn measured in the syncarids from the control treatments were on average
228 μg Zn/g, which increased significantly (p < 0.001) with exposure to all Zn treatments ≥1 mg Zn/L,
as seen in Figure 1B. There was no significant difference (p > 0.05) in body concentrations across the Zn
treatments, as seen in Figure 1B above 1 mg Zn/L. The accumulation of Zn in the syncarids appears to
be concentrated in the anterior thoracic region and abdomen, as seen in Figure 3.

 

A B C 

Figure 3. Images of Zn accumulation in bathynellid syncarids exposed to Zn in aqueous solution.
Mean concentrations of specimens shown were (A) 250 ppm, (B) 6400 ppm, and (C) 8000 ppm.

4. Discussion

Our tests have provided the first toxicity and accumulation data for the Syncarida, specifically
the Bathynellidae, which are an obligate subterranean taxon. We discuss below the sensitivity of the
syncarids to the metals and metalloid relative to other stygobiotic taxa and surface water crustaceans.
The accumulation of Zn suggests the ability of syncarids to regulate body concentrations at low
exposure concentrations, but for As, we found no evidence of regulation at the exposure concentration
tested. Tests were conducted in relatively low hardness, low organic content water from a fractured
rock aquifer, which likely makes them more susceptible to toxicants than stygobitic taxa from hard,
karstic or more organic groundwaters [28]. While this trend is not unexpected, we highlight the need
to consider the aquifer types in the management and risk assessment for subterranean ecosystems.

Mortality in controls was ≤11%, below the acceptable threshold of 20%, and water quality
conditions were stable during all tests, indicating we had created a suitable testing environment.
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Dissolved oxygen (DO) concentrations in the tests were in line with those measured at the collection site
in groundwater, as seen in Table 1, but higher than often reported in groundwaters [29]. The relatively
high dissolved oxygen concentrations in the static tests is a likely consequence of the small test volume
used and large surface area for gas exchange within the 24 well plates. Previous studies suggest that
stygobitic crustaceans can survive well in oxygenated laboratory environments (e.g., [11,16]), and do
not affect the toxic response of groundwater crustaceans to metals [30].

The toxicity of As to the syncarids after 96 h was similar to that observed for other stygobitic
crustaceans. Hose et al. [16] tested the sensitivity of cyclopoid and harpacticoid copepods from the
same Somersby location and showed 96-h LC50 values of similar magnitude (5.24, 3.04 mg As/L,
respectively) to those estimated here for the syncarids. The syncarids were similar in sensitivity
to As as the cladoceran Daphnia magna (96-h LC50 1.50–4.34 mg As(III)/L [31]). However, over 14
days, our syncarids (14-day LC50, 0.25 mg As/L) were slightly more sensitive than the cyclopoid and
harpacticoid copepods from Somersby (14-day LC50 0.79, 1.46 mg As/L, respectively [16]). The syncarids
were also more sensitive to As than the stygobitic amphipod Niphargus rhenorhodanensis (240-h LC50,
3.97 mg/L [32]), but similar to other freshwater crustaceans such as Gammarus fossarum (LC50, 0.2 mg
As/L [32]), which was the most sensitive of a range of taxa in that study. Overall the syncarids were
less sensitive to As than Cr, which is consistent with the findings of Canivet et al. [32]. For As and the
metals tested, there are few low ECx values in the literature for comparison, nevertheless, LC10 values
are reported here so that they may be available to inform the development of environmental quality
criteria for groundwaters (e.g., [9]).

Chromium was the most toxic of the elements tested. The acute toxicity of chromium to the
syncarids was similar to that recorded for subterranean crustacea reported previously. The ranges of
96-h LC50 values for the styogophilous Bryocamptus echinatus (1.26 mg Cr/L [33]), N. rhenorhodanensis
(1.51–2.07 mg Cr/L [32]), stygobitic copepods (0.7–3.1 mg Cr/L [16]), and the stygobitic isopod Proassellus
spp. (48-h EC50 0.396–6.35 mg Cr/L [34]) all overlap the 96-h LC50 value for the syncarids (1.8 mg Cr/L).
The 96-h LC50 values for D. magna exposed to Cr (0.07–0.16 mg Cr/L, [35,36]) were approximately
an order of magnitude lower than those for the syncarids tested here, as seen in Table 2. The 14-day
LC50 value (0.5 mg Cr/L) is also within the range of values for copepods from the same study site
(0.03–1.06 mg Cr/L [16]) and a 10-day LC50 for N. rhenorhodanensis (0.23 mg Cr/L [32]) and less than
those for a range of epigean taxa [32,36]. The 14-day LC10 for Cr (0.004 mg Cr/L) was below the
background concentration at the site (0.03 mg Cr/L). This anomaly is a likely consequence of the
exposure-response curve fitting, as seen in Figure S1, which is often less reliable at the extremities of
the curve. We do, however, believe that the overall curve fit is reliable and the inherent conservatism
in this case is preferable for the application of these data to ecosystem protection.

The syncarids were less sensitive to Zn than the Harpacticoid copepod and more sensitive
than the cyclopoid copepod from the same locations over both 96 h and 14 days [16]. Ninety-six
hour LC50 values for the syncarids were similar to those determined for the groundwater copepod
Parastenocaris germanica (96-h LC50 1.7 mg Zn/L) under oxic (10 mg O2/L) conditions [30], but both
P. germanica and the syncarid tested here were much more sensitive than several other stygobitic
crustaceans such as Niphargus aquilex (96-h LC50 180 mg Zn/L [37]), Asellus cavaticus (96-h LC50
127 mg Zn/L [37]) and Niphargus montellianus, which had no mortality to Zn after 10-day exposure to
25 mg Zn/L [38]. The syncarids were less sensitive to zinc over 96 h than was D. magna (96-h LC50
0.15–0.18 mg Zn/L [36,39]).

Overall, the syncarids tested were similar, but slightly more sensitivity than other stygobitic
crustaceans. The syncarids were, however, generally less sensitive over 96 h exposure than the
standard cladoceran test species, D. magna. Current approaches for risk assessment for groundwater
include the use of standard test species, such as D. magna [40], as a first tier in lieu of toxicity data for
groundwater biota. Our results suggest that this may be a suitable interim approach until sufficient
data for groundwater taxa become available.
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Our syncarids were collected from a fractured rock aquifer which had low hardness, low-organic
matter water, contrasting to some previous studies in which biota were collected from karstic aquifers
with much greater water hardness. Hardness is a major factor affecting the toxicity of metals, particularly
zinc and chromium, to organisms [41–43], and hardness correction has been used to compare organism
sensitivity in ecological risk assessments. Interestingly, using the hardness correction of Warne et al. [44],
the syncarids tested were the most Zn-sensitive of the stygobitic crustaceans tested to date. No hardness
correction algorithm is available for Cr(VI). With likely differences in the hardness of water between
aquifer types, it is critical that aquifer types are considered in risk assessments and decision making for
subterranean ecosystems and when setting environmental quality standards.

The toxicity of all toxicants increased with exposure period, with decreases in EC values of up to
two orders of magnitude between 96 h and 14 days. The significance of such short-term exposures in
groundwater ecosystems, with the exception of perhaps karst systems (see [34]), is debatable because
of the slow groundwater flow rates in most aquifers. Hose et al. [16] showed that the relative toxicities
of As, Cr and Zn were consistent between 96 h, 14-day and 28-day exposures, but with up to a six-fold
decrease in ECx values between 14 and 28 days. Di Lorenzo et al. [10] recommend the reporting 96-h
LCx values for the purposes of comparison between studies and the existing ecotoxicological databases,
but recommend that tests be extended well beyond 96 h. Unfortunately, due to the longevity and low
reproductive rates of stygobitic species, continuing tests for durations that are relevant to life cycles of
the organisms tested may be difficult. For this reason, incipient LC50 values (sensu [45,46]) would be
useful and should be a direction of future research.

The accumulation of both As and Zn appeared greatest in the region at the anterior of the thoracic
region. Previous studies using decapods have shown high concentrations of both As [47] and Zn [48,49]
in the hepatopancreas, which is consistent with the location of the thoracic hotspot in the syncarids,
although we recognise that it is difficult to determine the specific organs with this method, and the
uncertainty of the organ location on these small animals. Cresswell et al. [49] suggest that Zn is
transported from the gill to the hepatopancreas for detoxication and/or metabolism. Cresswell et al. [49]
also report high concentrations of Zn in the antennal gland, which is an important excretion site in
crustaceans and which are well developed in the Bathynellacea [50]. However, this was not the case
for Zn in this study, although this may explain the high concentration of As in that region. It is unclear
which tissues in the posterior of the abdomen are causing the high Zn, but the distribution of As
throughout the length of the abdomen may occur in variety of tissues of systems that extend through
the syncarid abdomen [51]. Alternatively, it may be a result of water uptake through the abdomen as
done by some crustaceans (sensu [52]) but it is unclear whether syncarids do this. Both White and
Rainbow [48] and Cresswell et al. [49] report high Zn concentrations in the eye of decapods (associated
with zinc metalloenzymes used in vision [53]), which was clearly not the case for our blind (eyeless)
stygobitic syncarid.

The body concentration of As in the syncarids was far lower than that recorded for Zn,
which reflects the relative abundance of these elements in the environment and most biological
systems [54]. The concentration of As in the unexposed syncarids was 2.8 μg As/g and similar to
unexposed amphipods and Daphnia (<5 μg As/g [55]). The concentrations of As in unexposed N.
rhenorhodanensis [32] were below detection limit; however, the mean concentration of As in amphipods
exposed to 0.1 mg As/L for 10 days (22.6 μg As/g) [32] was of a similar magnitude to the concentrations
in syncarids (19 μg As/g) exposed to 0.15 mg As/L for a similar period in this study. The arsenic
accumulation data suggest that the syncarids have no ability to regulate As uptake, with the body
concentration for syncarids exposed to 0.15 mg As/L being significantly greater than those in the
syncarids from controls, as well as mortality occurring at that concentration after 14 days. Arsenic
accumulation by the syncarids did not increase significantly as exposure concentration increased beyond
0.22 mg As/L. It is unlikely that this reflects an ability to regulate As uptake at these concentrations since
there was no evidence at the lower concentrations, and this has not been reported elsewhere. Rather,
the lack of significant increase in body concentrations beyond 0.22 mg As/L is likely a statistical artefact
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caused by large variability in internal concentrations within the 0.22 mg As/L treatment, as evidenced
by the size of the error bars in Figure 1A.

The background concentration of Zn in the syncarids was around 228 μg Zn/g which was similar
to that for N. montellianus (113 μg Zn/g [38]). The accumulation of Zn by syncarids exposed to 1 mg Zn/L
was significantly greater than syncarids in controls and exposed to lower concentrations, as seen in
Figure 1B. This trend differs from that observed for N. montellianus, for which significant accumulation
of Zn did not occur until they were exposed to 10 mg Zn /L [38], but this difference may reflect the
greater hardness of the water used in that study (150–165 mg CaCO3/L), and the expected reduced
bioavailability and uptake of metals by organisms with increasing hardness [56,57].

Our results suggest an ability of syncarids to regulate Zn at concentrations below 1 mg Zn/L. When
considered alongside the mortality data, the increase in accumulation from the 0.38 to the 11 mg Zn/L
exposures coincides approximately with a threshold change in mortality after 14 days. Rainbow and
Luoma [58] detail several models of metal (particularly Zn) uptake in crustaceans, and that observed
here for the syncarids most closely fits that common in the Decapoda (e.g., [59,60]), which might
be expected given the phylogenetic proximity of the decapods and syncarids [61]. In this model,
Zn concentration in the animals is regulated by excreting Zn until a threshold exposure concentration
is reached beyond which the animal is unable to continue regulating their internal concentration [58].
Relatively little metal is stored in detoxified forms [59] and the contribution of Zn adsorbed passively
to the exoskeleton to the total body concentration is small [59]. Above the threshold concentration,
Zn is accumulated proportionally to the exposure concentration [58] and binds at sites where it will
interfere with normal metabolic functioning, leading to toxicity [59]. While for some aquatic organisms
the uptake of some metals from solution plateaus at high concentrations, this is has not been reported
for invertebrates (e.g., [62]). The lack of apparent increase in mean body concentrations at exposure
concentrations above 1 mg Zn/L may be a consequence of the large variability in body concentrations
in those animals, which obscures an increasing trend.

Understanding the ecological significance of laboratory response data to population level effects in
crustaceans in the field is difficult [63]. Our syncarids are no different, with the ecological significance
of their bioaccumulation of Zn and As unclear. The accumulation of Zn by gammarid amphipods
at concentrations as low as 0.3 mg Zn/L effected reproduction and energy utilisation in females [64].
At that concentration, the number of aborted broods increased, and the reduced energy absorption
and reallocation of that energy away from reproduction resulted in smaller sized offspring [64].
The reproductive strategies of bathynellid syncarids are poorly known, but like other stygobiotic
crustaceans they are expected to have low metabolic rates, reproductive rates and small brood sizes
(i.e., k-strategy traits), a likely consequence of the low energy groundwater environment (Humphreys
2006). What is the effect of reducing energy absorption and fecundity in a population of organisms
that are already at the lower extremes of such rates? Kammenga et al. [65] showed no difference in
sensitivity of k-strategist and r-strategist nematodes to cadmium, but whether this holds true for other
taxa is unclear.

Maltby and Naylor [64] predict that the smaller offspring resulting from zinc exposure will take
longer to reach maturity and may reproduce at a smaller size, which typically means reduced fecundity,
which is exacerbated by the increase in aborted broods. The net effect is expected to thus be reduced
recruitment and population decline. Importantly for syncarids that feed on detrital matter, bacteria and
fungi [66], changes in microbial assemblages, particularly fungal biomass, may also occur at relatively
low Zn and As concentrations. Lategan et al. [67] observed 50% declines in biomass of groundwater
fungi at 4.4 mg As/L and 0.61 mg Zn/L, thereby exacerbating potential sublethal effects on feeding
and energy assimilation. In groundwaters where contamination is typically long-term and difficult
to remediate, these impacts will be persistent, and likely lead to a decrease in population viability.
The broader consequences of declining invertebrate populations in aquifers is the loss of ecosystem
services [6], including changes to aquifer hydraulic properties [68].
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Chromium, zinc and arsenic were acutely toxic to the stygobitic bathynellid syncarid.
The accumulation of Zn was regulated at exposure concentrations below 1 mg Zn/L, above which
body concentrations increased, leading to increased mortality. Arsenic was not regulated and was
accumulated by the syncarids at all concentrations above the control. These are the first published
toxicity data for syncarids and show them among the most sensitive of stygobitic crustaceans so far
tested, likely in part due to the low hardness of the groundwater from the aquifer they inhabit and in
which they were tested. The ecological significance of the toxicant accumulation and mortality may
be significant given the consequent population effects and low capacity for stygobitic populations
to recover.

Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4441/11/12/2508/s1,
Figure S1: Dose response curves for bathynellid syncarids exposed to Arsenic (A, B), Chromium (C, D) and Zinc
(E, F), for 96 h (A, C, E) and 14 days (B, D, F), Table S1: Fitted dose response curve parameters.
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Abstract: Modern sawing techniques employed in ornamental stones’ exploitation produce large
amounts of slurry that can be potentially diffused into the environment by runoff water. Slurry
produced by limestone and marble quarrying can impact local karst aquifers, negatively affecting the
groundwater quality and generating a remarkable environmental and economic damage. A very
representative case-study is that of the Apuan Alps (north-western Tuscany, Italy) because of the
intensive marble quarrying activity. The Apuan Alps region extends over about 650 km2; it hosts
several quarries, known all over the world for the quality of the marble extracted, and a karst aquifer
producing about 70,000 m3/day of high-quality water used directly for domestic purposes almost
without treatments. In addition, Apuan Alps are an extraordinary area of natural and cultural
heritage hosting many caves (about 1200), karst springs and geosites of international and national
interest. During intense rain events, carbonate slurry systematically reaches the karst springs, making
them temporarily unsuitable for domestic uses. In addition, the deterioration of the water quality
threatens all the hypogean fauna living in the caves. This paper provides preliminary insights of
the hydrological and biological indicators that can offer information about the impact of the marble
quarrying activities on groundwater resources, karst habitats and their biodiversity.

Keywords: groundwater; karst aquifer; pollution; quarry; Apuan Alps

1. Introduction

Karst areas constitute about 10% of the land surface worldwide and there is a widespread concern
about the effects that human activities have upon karst environments [1,2]. Karst aquifers often host
water resources that are very important, in terms of both quantity and quality, usually not requiring any
treatment before being distributed through civil aqueducts. For this reason, karst groundwater sources
are attaining a growing economic and social value. According to UNESCO’s International Geoscience
Programme (IGCP) 513, concerning “karst aquifers and water resources” and their preservation, about
25% of the world’s population relies on drinking water supplies from karst aquifers. On the other hand,
karst areas are extremely vulnerable and could be easily (and potentially irreversibly) damaged by
human activities such as deforestation, agricultural practices, urbanization, tourism, military activities,
water exploitation, mining and quarrying (e.g., [3], and reference therein). Climate change poses an
additional risk to karst groundwater, exacerbating the major challenges in the next future.

An unexpectedly high diversity of living forms (micro, meio and macro-organisms) have been
discovered in karst aquifers in the second half of the 20th century. Karst stygobionts are often
geographically rare and phylogenetically isolated taxa, with ancient origins which date back to
the Early Tertiary period [4]. The stygofauna show morphological, physiological and behavioral
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characteristics suitable for life in absence of light and scarcity of trophic resources (e.g., [5–8]). The
stygofauna of karst habitats are represented by vertebrates as well as by small invertebrates, among
which crustaceans are dominant [9,10]. Beyond the importance that such highly specialized fauna have
in terms of global biodiversity, stygofauna provides a wide range of ecosystem services, including
those related to the degradation of pollutants [11,12].

Known since the Roman age for the extraction of the precious white marble, the Apuan Alps, in
north-western Tuscany, are a very peculiar mountain range and an extraordinary region of natural and
cultural heritage in the Mediterranean basin, with many geological and biological features of national
and international interest. This mountain range, whose maximum elevation is 1942 m a.s.l. at Pisanino
Mount, consists of both metamorphosed and non-metamorphosed carbonate rocks belonging to three
different tectonic units (Figure 1). Apuan metamorphic unit is mainly represented by meta-dolostone,
marble and dolomitic marble (about 115 km2 as outcrops) and by cherty limestones (about 20 km2)
([13] and references therein).

In an area of about 650 km2, the carbonate rock assemblages display very different structural and
lithological traits. For this reason, they offer a wide variety of hydrogeological conditions displayed in
many springs with very different hydrodynamics and hydro-chemical features [13]. The carbonate
rocks contain important groundwater resources due to the high rainfall, and the high infiltration
coefficient, that can reach 75% of total precipitation. Most of the major springs drain metamorphic
carbonate aquifers, and supply drinking water mainly for inhabitants of the coastal plain (where
Carrara and Massa towns are located).

The marble exploitation in the Apuan Alps is presently carried out in about 150 quarries that
are frequently located at high altitudes (Figure 2a). Line drilling and sawing are the most modern
techniques to produce large rectangular blocks suitable for being cut into smaller, regularly shaped
products and slabs (Figure 2b). Sawing can be accomplished by a variety of tools, including wire,
belt and chain saws. Pollutants resulting from quarrying, including the marble dust (locally known
as “marmettola”) that is a product of rock sawing, easily infiltrate by means of meteoric waters into
the underlying karst aquifers through solution cavities. This condition is responsible for the high
vulnerability of the groundwater bodies, which is particularly critical for metamorphic carbonate rocks
(i.e., marbles and meta-dolostone), due to the absence of retention of pollutants in the unsaturated
zone (epikarst and vadose zone) and to the high hydraulic conductivity in the saturated one [14]. As
a matter of fact, this fine-grained material is easily mobilized by rainwater and dispersed into and
through the subterranean karst systems [15].

In the last decade, the annual marble production in the Apuan Alps quarries has been about 1.2
Mt/year [16]. The extraction and squaring of marble blocks produce about 4% dust per unit [15], in
respect to marble production, which so amounts to about 0.05 Mt/year, or, as volume, about 25,000
m3/year, assuming a porosity of 35%. Most of this powder is disposed on quarry yards and stored in
controlled repository areas but a substantial part of it is dispersed into the surrounding areas by wind
and runoff before collecting. Furthermore, it is quite frequent that quarries intercept open fissures
and solution pits through which marble powder enters the subterranean drainage usually driven by
high-intensity rainfall events [17,18].

While the marble quarries in the Apuan Alps have been long and widely studied in many
environmental respects, including marble formation volumes [19], rock mass stability [20] and
restoration perspectives [21], the real effects of marble slurry pollution, and in particular its impact on
groundwater and the processes governing its transport through the karst aquifers, have not yet been
systematically examined, despite the fact that this aspect is crucial for the development of management
measures aimed at preserving the water quality and the biodiversity of karst systems.
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Figure 1. Hydrogeological sketch map of the Apuan Alps with the location of the major karst springs
(average discharge >0.04 m3/s) fed by carbonate aquifers and marble quarries. Numbers refer to
monitored karst systems: (1) Equi springs; (2) Carbonera spring; (3) Cartaro spring; (4) Monte Corchia
cave stream.

For these reasons, the Apuan Alps can be considered a relevant case-study area, where the impact
of slurries produced by marble quarries on karst aquifers can be investigated in order to obtain an
indication of general interest and worldwide application. The main purpose of this article is to provide
the information available up to now regarding marmettola pollution, including its physical and chemical
features, and the potential impacts that this particular waste product can cause on the Apuan Alps
karst ecosystem, and more generally, in similar karst areas heavily affected by marble quarrying. The
article also provides new data on both the hydro-physical properties of groundwater bodies and
their biodiversity.
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Figure 2. (a) A view of Colonnata valley, in Northern Apuan Alps, showing the intense quarrying that
concerns high-altitude areas too. (b) Quarrying is performed through sawing large blocks with chain
or diamond-wire saws; karst fissures or solution pit interception is very frequent (Focolaccia quarry, M.
Tambura, central Apuan Alps).

2. Chemical and Physical Features of Marmettola and Karst Spring Sediments

Marmettola is a fine, white powder produced during the extraction and squaring of marble blocks
by way of chain and diamond-wire saws. Minor sources are represented by the dust produced
by the intense traffic of heavy trucks, bulldozers and tractors transporting and moving heavy
marble blocks along quarry roads and service areas. The chemical composition of the powder
reflects the mineralogical constituents of the different marble varieties. The grains are essentially
composed by calcite (usually 95–99%), mainly in sand-to-silt sizes, with a small percentage (1–3%) of
dolomite [15,22,23]. Silicates, primarily quartz, muscovite and/or chlorite and clay minerals, are often
present in minor amounts [15,21].

In order to investigate textural features, we examined some slurry samples collected in 2017,
coming from a quarry at Mount Sagro, by scanning electron microscope (SEM) analysis. Grains
produced by chain saws were very angular in shape and with planar surfaces formed along calcite
cleavage planes (Figure 3a). SEM image processing revealed that marble slurry is mainly composed
by weight of a fine to very-fine sand (Figure 3b), whereas most of the particle sizes (expressed as
equivalent circle diameter = ECD) range between 8 and 32 μm, if we consider the number of particles
(Figure 3c). A consistent amount of the finer silt-sized fraction is possibly derived from consumption
of larger grains during sawing [15]. The powder produced by diamond-wire cutting is generally finer
(most grains <62.5 μm in size) but with grains showing an angular shape like those coming from chain
saws [15].
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Figure 3. (a) SEM image of marmettola produced by chain sawing collected at a marble quarry in the
Mount Sagro area (note the very angular shape of particles). (b) Weight sorting of the sample collected
(weight percent for each grain size class). (c) Frequency sorting (number of grains) of the same sample.

By means of direct investigation of karst systems contaminated by marble slurry, such that of
Monte Corchia cave, we realized that suspended sediments found in springs and cave-streams consisted
of fine sand and mud having a light grey or ochre color. From a chemical and mineralogical point of
view, these deposits had a higher amount of Mg and Si respect to marmettola, due to the occurrence
of dolomite and silicates of natural origin. In a sample collected in 2012 at Tana dei Tufi, a captured
spring located near Torano village (Carrara marble district) often affected by turbidity, SEM analysis
showed that about 75% of the grains were carbonate, the remaining being silicate particles. Grain
morphometric analysis performed on SEM images revealed that grains’ ECDs mainly ranged from 15.9
to 62.5 μm, with the silicate particles a little finer than carbonate ones (Figure 4a,b). Other morphometric
parameters, such as the aspect ratio (length/breadth ratio of each) and the roundness (calculated as
perimeter2/4π * grain area), were similar in both carbonate and silicate grains (Figure 4c–f). SEM
images confirmed also that most of this sediment consisted of calcite angular grains like those forming
marmettola. Grains finer than 16 μm were poorly represented, probably because they were washed
away as suspended load during floods. These preliminary data suggest that the transport through the
karst network of the Apuan Alps produces an effective sorting and a mixing with natural sediments.
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Figure 4. ECD (equivalent circular diameter; in μm), aspect ratio and roundness of carbonate and
silicate fractions of a sediment collected at the Tana dei Tufi karst spring (Torano, Northern Apuan
Alps) (see text for explanation).

3. Impact of Marble Slurry on Karst Groundwater

Once marble powder mixes up with water, it produces a fluid mud that rapidly disperses through
the karst groundwater network [15,24]. This slurry negatively affects the groundwater quality, and its
persistence in the karst system may produce remarkable environmental and economic damage [25,26].
In the Apuan Alps, the marmettola slurry has been observed in cave streams and karst springs (Figure 5).

Although several studies have described the environmental impacts of human activities on karst
systems [1,27], there are relatively a few papers that specifically refer to the effects from quarrying
on karst drainage systems. The relationship between quarrying activities and the environmental
damage caused on carbonate rock has been well documented for over sixty years [28]. On the contrary,
there are only a few reports that include major discussions of the environmental impacts on the karst
aquifer of slurry produced by in-situ stone cutting and almost none referring to the impact on the karst
stygofauna [29–31].
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Figure 5. (a) Marmettola deposited in the occasionally flooded Buca di Equi cave. (b) Whitish, turbid
water due to the marble slurry flowing out from the Equi karst spring observed several days after a
strong flood in October 2013.

One of the most effective ways to investigate the dynamics of marble slurry transfer through
karst subterranean networks is by monitoring of main spring hydro-physical parameters (flow rate,
temperature, electrical conductivity and turbidity) coupled with sampling of suspended load. In the
Apuan Alps, the turbidity observed at springs during floods can be often related to the suspended
transport of marble slurry produced by quarries [15]. In fact, we have frequently observed that springs
whose catchment areas do not embrace quarry districts have usually clear or slightly muddy water
even during floods, apart from some springs that are fed by surface sinking water. On the contrary,
turbidity due to carbonate slurry is systematically observed in water springs located in quarrying
districts (Figure 5b).

In order to study the effects of the marble slurry on the karst aquifers of the Apuan Alps,
a monitoring network has been recently (starting from April 2018) installed by the authority in
charge for the environmental monitoring in Tuscany (Agenzia Regionale per la Protezione Ambientale
Toscana-ARPAT). The monitoring settlement concerns three karst springs (Carbonera, Cartaro and Equi),
and one cave stream (Monte Corchia Cave; see Figure 1 for location). Stream and spring monitoring is
performed by automatic probes acquiring water level (resolution 1 mm), water temperature (resolution
0.1 ◦C), electrical conductivity (accuracy 1%) and turbidity (resolution 1—NTU (Nephelometric
Turbidity Unit)); data are freely available at http://sira.arpat.toscana.it. Samples of marmettola were
collected in quarries, whereas sediments were collected in a cave stream (Monte Corchia Cave) and
karst springs, in order to compare the physical features of both marble sawing powder and springs
suspended load.

One of the clearest examples of the marble slurry’s impact on the Apuan Alps karst systems is
provided by the springs located close to Equi Terme village (Massa) (see Figure 1 for location). Equi
springs are fed by the Northern sector of the Apuan Alps karst aquifer, consisting mainly of marble
and meta-dolostones. Marble quarries are the main human activity occurring in the catchment area.
This multi-spring is characterized by high and very rapid fluctuations of water flow. During the dry
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season, the discharge can decrease down to 0.03–0.04 m3/s, whereas major floods can increase it to a
total flow rate of 15–20 m3/s [32]. During floods and some days after, the water is highly turbid, but a
slight whitish opalescence can persist for several days afterwards. Figure 6 shows the flow rate and
turbidity diagram from April 2018 to April 2019. Floods are characterized by tight peaks followed by a
rapid decrease of flow rate, indicating a quick transmission of hydraulic pressure through the karst
network due to massive infiltration [33]. Turbidity peaks, which can reach 400 or more NTU, are not
perfectly overlaid to the discharge peaks being shifted some days afterward.

 

Figure 6. Flow rate and turbidity of Equi springs from April 2018 to April 2019 (dates are expressed as
yyyy-mm-dd).

A detail graph (Figure 7) related to one minor flood (occurred on 1 September 2018 at Equi springs)
following a long period of low flow rate, shows some features that clarify the origin of turbidity. The
turbidity peak occurred around 48–50 h after the first flow peak, when the discharge decreased almost
to the pre-flood level. This means that during minor floods the water remains clear until the marmettola
slurry, washed away from the quarries and infiltrated in the catchment area, reaches the spring through
a high-conductivity conduits network. In this case, the turbidity is not due to the mobilization of
fine sediments contained in the phreatic sector of the aquifer but to the infiltration of surface runoff
contaminated by marble slurry.

During major floods, the Equi springs displayed a different behavior of the turbidity parameters
with respect to flow rate fluctuation (Figure 8). Turbidity showed a slight but significant increase just
a few hours after the discharge rising, whereas the first substantial turbidity peak occurred with a
delay of about 48 h after flood. Anyway, we observed that most of the solid load, measured as total
suspended sediment (TSS), according to the methods proposed by Drysdale et al. [15], occurred during
the maximum flow rate phase. Despite the high values of NTU, the turbidity peaks following with
about two days of delay the first flood peak, contributed only for about the 40% to the amount of TSS,
since discharge was low. Actually, the total TSS mobilized during this flood was exceptionally high,
approaching 37 tons (37,000 kg).
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Figure 7. Flow rate and solid transport diagram of Equi springs during a minor flood on 1 September
2018 (dates are expressed as yyyy-mm-dd). The turbidity peak occurred more than four days after the
flow peak.

 
Figure 8. Flow rate and solid transport diagram of Equi springs during a major flood on 23 November
2018 (dates are expressed as yyyy-mm-dd). The major turbidity peak occurred about three days after
the flow rate increase, but the TSS reached its greatest values during the second flood peak.

Comparing the different turbidity responses of these spring group during minor floods (Figure 7)
with respect to major floods (Figure 8), we can infer that the TSS mobilized during the phase of major
flow rate probably consists of sediments already stored in the phreatic system, which may be dragged
away by water only in the case of a high flow velocity.

In conclusion, if we consider the effective TSS load instead of turbidity, we observe two major
transport phases, the first during the flood peaks and the second one during the flood decremental
phase (Figure 8). Considering the pattern of water and sediment fluxes, it may be argued that the
second solid transport wave corresponded to the finest portion of marmettola washed away directly on
quarry areas.
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4. Impact of Marble Slurry on Karst Stygofauna

It is not an easy task assessing which are the main impacts of marble slurry on the organisms
that live in karst aquifers. The main difficulty is the limited accessibility of these environments and
the consequent impossibility of directly inspecting the habitats where stygobiotic species dwell [34].
Very appropriately, karst systems have been compared to black boxes in which one can assess exactly
the input and the output but cannot directly know what is happening inside [35]. This similitude
comes from hydrogeology but actually fits ecology very well. Karst stygofauna may be sampled in the
epikarst (mostly caves) or at the karst outlets, through water filtration at the springs. In both cases,
however, there is no direct inspection of the habitats except, perhaps, for gours, concretion pools,
ponds and rivers, when present.

Despite the sampling difficulties, groundwater ecologists have collected enough information to
outline the distributional patterns of many stygobiotic taxa. We know, for instance, that the distribution
of stygofauna is not uniform in the aquifer, but that most of the species, which do not have adaptations
to withstand fast flows, tend to colonize the habitats where the groundwater flow is low ([36–38] and
references therein). Most of the species are collected from the small fractures and dissolution fissures
(apertures from about one millimeter to a few centimeters) of the karst network, rather than in the fast
drains [37,39–41]. Groundwater flow is therefore the main organizing factor for karst communities [42]
and in extreme cases, such as in the event of an earthquake, the massive earthquake-induced flow
discharge can trigger a huge washout of groundwater fauna with a destructive effect on the biological
assemblages [36].

In normal conditions, however, groundwater flow acts together with other factors, such as
behavioral adaptations. In fact, the occurrence of juveniles of some stygobiotic species at spring-fed
karst outlets during a flood event [43] is suggestive of an adaptive strategy: some species release the
eggs during the low groundwater level period and use the flood to disperse the juveniles so as to favor
the colonization of new habitats [43]. Competition for trophic resources and predation are additional
factors that can shape the distribution of communities within karst aquifers, as already observed in
previous field and laboratory studies [44]. Finally, the chemical contamination of karst aquifers also
influences the distribution of species within the karst network. An organic pollution (indicated by high
nitrates and ammonium concentrations and particulate organic matter) may favor, for instance, the
permanence of epigean species which, having high metabolic rates, exert a strong competitive pressure
on the stygobiotic species, often replacing them completely within the community [45].

Unfortunately, there are no available data on the effect of marble quarry wastes on karst
communities. Based on the observations made at Equi springs, we can realistically expect that a
substantial quantity of marmettola settles in the smaller fractures of the karst systems, where the
flow velocities are low and where, as mentioned above, most species are present. A complete or
partial filling of these habitats likely induces chemical variations influencing the availability of oxygen,
nutrients and habitat space reduction. This scenario recalls the phenomenon of clogging observed in
hyporheic zones (transitional ecotones between surface water and groundwater bodies). In fact, the
deposition of fine sediments in the hyporheic zone of the Alpine stream Noce Bianco in Northern Italy
due to hydropeaking caused a reduction of the interstitial habitats available to stygobiotic taxa [46].
Similarly, Mori et al. [47] observed that the stygobiotic community of the hyporheic zones of the
Sava River (Slovenia) was strongly affected after severe flooding with clogging of interstitial spaces
by fine sediments. Microhabitat clogging may select species with certain physiological or trophic
characteristics. For instance, in the reduced pore spaces of the hyporheic zones of the River Rhone
catchment, only small-sized and slow-moving organisms, mainly copepods, ostracods and cladocerans,
occurred [48]. This phenomenon has been confirmed recently by laboratory experiments. Korbel et
al. [49] observed that stygobiotic crustaceans, such as the small-sized copepods and the large-sized
amphipods and syncarids, are able to move easily in sand substrates (ϕ = 0.3–0.7 mm) and gravel
(ϕ = 2–4 mm). However, only copepods were able to move in silts (ϕ < 60 μm), whereas the larger
amphipods and syncarids remained on the sediment surface without being able to dig in.

62



Water 2019, 11, 2462

The inability to cope with fine sediments for syncarids and amphipods increases when the
groundwater level decreases. In microcosm experiments, none of these animals managed to dig in the
mud layers when the overlying water was removed [49]. This phenomenon has serious consequences
in terms of loss of ecosystem services. In fact, laboratory experiments have shown that syncarids and
amphipods are crucial for maintaining the effective porosity of fine sediment-filled habitats. In the
absence of these animals, porosity decreases significantly in two months, causing a further reduction
of pore spaces [50]. The diameter of pore spaces in silts is predicted to be <25 μm [51] and the same is
expected in quarry waste deposits because most of the particles we measured were from 8 to 32 μm
in diameter. The intergranular spaces of marmettola deposits are, therefore, smaller than the smallest
dimension of most of stygobiotic crustaceans. Copepods manage to dig in these deposits, and it has to
be expected that fine sediments adhere tenaciously to the body of the animal (Figure 9). We do not
know how this sort of “coating” will negatively affect the physiology of these organisms, but fissured
aquifers filled with marble slurry are likely inhospitable habitats for most of karst stygofauna.

 

Figure 9. Silt-coating of an individual of Elaphoidella phreatica (Crustacea Copepoda) from a clay-sandy
aquitard in Tuscany (Italy). The photos were obtained by scanning electron microscopy. The grains of
silt adhere tenaciously to the body of the animal also covering the setae and appendages. In the detail
of the photo, the coating of the fifth thoracic leg involved in mating behavior of these animals is visible.

In order to test this hypothesis, we carried out biological surveys in the Monte Corchia cave,
located in one of the most intensely exploited areas with marble quarries in the Apuan Alps. The
Monte Corchia karst system is located in the south-western part of the Apuan Alps and is developed
inside the carbonate core of a syncline, almost completely enclosed by a low-permeable basement
(Figure 1). Monte Corchia cave is about 65 km long and 1185 m deep and it is presently one the largest
and deepest caves in Italy [52].
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Specimens were collected from the vadose zone of the cave, located between 900 and 800 m a.s.l.,
which consists of several passages that have been part of the touristic path since 2001. We sampled
six percolation water drips with permanent water flow and six concretional pools. The water in the
concretional pools was collected by syringes at approximately quarterly intervals from June 2016 to
October 2019. Percolation water drips were directed into a 500 mL plastic filtering bottles with partly
removed walls covered by a net of 60 μm mesh a few cm above the bottom. The animals coming with
the drips were retained in the small amount of water in the filtering bottles and collected on a quarterly
basis. Altogether we collected about 700 specimens, 85% of which came from the drips. All the animals
were copepods, as also observed in other studies (e.g., [35,53,54]). However, all the animals collected in
our surveys belonged to a single taxon, a new undescribed species of the canthocamptid harpacticoid
genus Moraria.

This result contrasts with the data of Meleg et al. [55], who reported 11 stygobiotic copepod
species from drips and drip pools of five Romanian caves; of Galassi et al. [37], who reported up to
eight copepod species from two drips of Frasassi cave; and especially, with the data (up to 33 species
per cave) recorded in the Slovenian caves and reviewed by Pipan and Culver [53]. That of Monte
Corchia Cave seems, therefore, to be an unusual situation, being similar only to two non-Dinaric caves
in Slovenia; namely, Huda luknja, occurring in an isolated karst area, and Snežna jama, an ice cave in
the Kamnik–Savinja Alps (two stygobiotic copepod species per cave) [53]. At present, data do not
allow us to know whether the persistently low biodiversity observed in Monte Corchia Cave is due to
the presence of marmettola and its clogging effects, or to other factors, such as the isolation of the cave
that prevents colonization of groundwater similarly to the conditions of Huda luknja in Slovenia [54].

5. Discussion and Conclusions

This study did not aim at proposing strategies to contain the production of marble slurry or
to prevent its dispersion in subterranean waterways but had the objective to denounce the fact that
too many aspects of this environmental issue have not yet been adequately addressed. For example,
the priority issue for the Italian authorities is the correct identification of marmettola as waste or as a
by-product. This is not a matter of little importance, since the management regime of by-products
is much less restrictive from a legislative point of view. Although the marble powder produced by
the quarrying activities in the Apuan Alps is managed as waste, the cross-checks carried out by the
competent authorities have highlighted that a relevant amount of it is dispersed in the environment. It
would therefore be appropriate to apply an economic sanction that compensates for the environmental
damage, including the loss of ecosystem services, consequently to marmettola dispersion. However,
the quantification of this penalty, although expressly demanded by the Water Framework Directive
in Europe, is difficult to determine now. The main impediment is due to the scarce knowledge of
the impacts of marble slurry on the fauna dwelling in karst aquifers. With this review we aimed at
disseminating information on the possible biological impacts, and secondly, on the poor biodiversity
detected in some parts of the Apuan Alps karst system, such as in Monte Corchia cave. Stygofauna are
“out of sight” and it is, therefore, easy to maintain these species as “out of mind” [56].

However, this short-sighted way to perceive karst ecosystems is an oversight before which we
cannot remain silent. Fortunately, the turbidity due to marmettola detected at the springs is visible to
the naked eye and has an immediate impact on the public, which is shocked by the idea of drinking
“dirty” water. The quantification of the environmental impact in this case is easier, since it is possible
to estimate the damage caused to the aqueduct filters by the high turbidity or the temporary closure
of the distribution network. However, not only the springs presently captured for civil aqueducts
but those that can be potentially captured in the future, must be monitored and possibly subjected to
safeguarding measures.

Based on a first set of data, this study documented the worsening of the water quality during flood
events due to the marmettola transport in the karst system of the Apuan Alps and a supposed negative
effect of suspended solid deposition on the local groundwater community. The study highlighted that,
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although marble slurry does not constitute an immediate danger to public health, it is nevertheless
responsible for a serious impact on the Apuan surface and subterranean waterways. We suspect that an
unknown amount of marmettola has been already accumulated in the karst aquifers and it is discharged
only in conjunction with high-intensity rain events. As already stated, the effects of such a physical
pollution, apart the obvious deterioration of the quality of the water intended for human consumption,
are still not known in detail. It can be expected that the marble slurry has potentially reduced the
water exchanges among karst conduits and fractures and impacted the rock mass porosity, changing
the hydrodynamics of the karst networks by also reducing their storage capacity. If so, it could be
expected that the local environment will remain damaged (at some extent) for an unknown time
period, even if the marmettola dispersion were to be completely stopped. Resilience will be hindered by
the depletion of the groundwater biological communities that, otherwise, would be able to provide
ecological services of great importance, most of them related to the aquifer self-purification.

In conclusion, the first results of this study have highlighted that the present-day footprint of
quarrying activities in the Apuan Alps is greater than that indicated on maps or aerial photographs.
It is necessary, therefore, to boost participatory processes involving economic stakeholders and
environmental experts, and speleologists who are often the most informed about the conditions within
karst systems too. Due to their long history of exploitation, the Apuan Alps represent a red flag that
we hope will trigger biological and hydrogeological studies in other areas.
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Abstract: Interactions of pesticides with biotic or anthropogenic stressors affecting stream invertebrates
are still poorly understood. In a three-factor laboratory experiment, we investigated effects of
the neonicotinoid imidacloprid, food availability, and population density on the New Zealand
mayfly Deleatidium spp. (Leptophlebiidae). Larval mayflies (10 or 20 individuals) were exposed to
environmentally realistic concentrations of imidacloprid (controls, 0.97 and 2.67 μg L−1) for nine
days following five days during which individuals were either starved or fed with stream algae.
Imidacloprid exposure had severe lethal and sublethal effects on Deleatidium, with effects of the
lower concentration occurring later in the experiment. The starvation period had delayed interactive
effects, with prior starvation amplifying imidacloprid-induced increases in mayfly impairment
(inability to swim or right themselves) and immobility (no signs of movement besides twitching
appendages). Few studies have investigated interactions with other stressors that may worsen
neonicotinoid impacts on non-target freshwater organisms, and experiments manipulating food
availability or density-dependent processes are especially rare. Therefore, we encourage longer-term
multiple-stressor experiments that build on our study, including mesocosm experiments involving
realistic stream food webs.

Keywords: multiple stressors; pesticides; freshwater ecology; ecotoxicology; synergism; resource
limitation; population density

1. Introduction

Neonicotinoids have become the most commonly used insecticides worldwide [1,2]. Because they
persist in soil for many months and are highly water-soluble [3], they enter freshwaters predominantly
by leaching into groundwater and surface runoff after rain, with the latter causing high-concentration
pulses in surface waters [4–6]. Consequently, they have been frequently found in surface waters
draining agricultural areas worldwide [4,7–11]. In North America and Europe, concentrations of
imidacloprid—the most commonly detected neonicotinoid—often exceed safety benchmarks for
freshwaters such as the United States acute and chronic invertebrate Aquatic Life Benchmarks (0.385
and 0.01 μg L−1, respectively) [12].

Neonicotinoids are neuro-active compounds that are highly specific to invertebrates, particularly
insects [13]. This means they have been perceived as relatively safe for vertebrate wildlife, human
consumers of treated crops and operators applying these pesticides to crops or seeds. However, this
specificity also means neonicotinoids pose a risk to non-target invertebrates. The pesticides bind to
the postsynaptic nicotinic acetylcholine receptors (nAChRs), resulting in continuous nervous system
stimulation, which is lethal at sufficient concentrations [14,15]. Larvae of aquatic insects are particularly
vulnerable to pesticides, with uptake occurring via gills and trachea during respiration, through
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feeding, and through the epidermis [16]. A number of recent studies have investigated toxic effects
of neonicotinoids on freshwater invertebrates [5,16–21]. Among the organisms studied, mayflies
(order Ephemeroptera) were the most sensitive to neonicotinoids [22,23]. This is a concerning finding,
considering mayfly larvae are critical for supporting many aquatic and terrestrial food webs [5,6] and
are important biological indicators of stream health [24,25].

Existing pesticide risk assessment programmes rely heavily on toxicity data produced by
highly standardised laboratory experiments that can lack ecological realism [26–29]. To account
for uncertainties related to the projection of toxicity assessments from benign laboratory conditions
towards harsher field conditions and to predict regulatory acceptable concentrations (RACs), an
assessment factor of 100 below the acute LC50 (the concentration lethal to 50% of the test organisms)
has been established (see e.g., [30]). However, measured insecticide concentrations in surface waters
often exceed their respective RACs, as observed, for example, in a meta-analysis of peer-reviewed
literature on agricultural insecticide concentrations in EU surface waters [31]. Furthermore, detrimental
impacts of pesticides on structure and/or biodiversity of agricultural streams have been observed
frequently [32–34]. Indeed, an increasing number of recent studies have concluded that current
pesticide regulations do not sufficiently protect the aquatic environment and that insecticides threaten
aquatic biodiversity [5,6,31,35,36].

A basic requirement of valid toxicity tests is high survivorship of test organisms in control
treatments, which means suboptimal conditions due to ‘natural stressors’ are usually avoided [18,37].
By contrast, in the real world these environmental variables fluctuate, often drastically, and optimal
conditions for animals are rare [27]. Therefore, interactive effects of contaminants and natural stressors
on non-target organisms are a possibility that should be more regularly considered in ecological
risk assessment [38,39]. Abiotic factors such as water chemistry and temperature are increasingly
investigated in order to improve our understanding of their effects on the toxicity of contaminants
to aquatic organisms [40,41]. However, biotic factors such as food availability, competition, or
predation are rarely included in such studies [18], and interactions between these natural stressors and
contaminants such as pesticides remain largely unknown.

Laboratory studies typically provide test organisms with food ad libitum, whereas in realistic
conditions nutritional resources are often restricted [42]. During development, animals can face
transient periods of food shortage [43], causing them to lower their metabolic rate to increase their
chance of surviving until more favourable conditions are reached [44]. Some studies suggest that
the energy deficits resulting from resource limitations can increase an organism’s sensitivity to a
chemical [45,46]. Alternatively, the presence of a toxicant can impair foraging ability, possibly resulting
in decreased survivorship [46]. A further environmental challenge for animals in natural systems
is population density, which is often linked to food availability. Competitive processes have been
shown to alter the outcome of pesticide exposure to invertebrates; for example, it has been suggested
that competitive relationships may prolong the recovery of invertebrate populations following pulse
exposure to pesticides [47], and that some populations may not recover at all in the presence of a
less-sensitive competitor species [48]. Currently, there are no studies investigating the combined effects
of food limitation, population density, and neonicotinoid exposure on freshwater invertebrates.

To reduce the abovementioned knowledge gaps, we employed a full factorial design to investigate
the individual and combined effects of low-level exposure to the neonicotinoid imidacloprid, food
availability, and density of individuals on the larvae of a common endemic New Zealand mayfly
(Deleatidium spp.). Deleatidium are periphyton grazers that feed on the surfaces of rocks, including
upper surfaces, and constitute an important food source for fish including introduced brown trout
(Salmo trutta) [49]. We tested the following hypotheses:

1. Exposure to low concentrations of imidacloprid results in decreased survivorship, increased
occurrence of impairment and immobility [6], and reduced moulting frequency in Deleatidium.
Moulting is controlled by the endocrine and nervous systems; therefore, neurological disruption
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due to imidacloprid may interfere with moulting [50], which has been observed in a previous
96-h imidacloprid exposure involving Deleatidium nymphs [41].

2. Due to the potentially suppressed metabolic rate of individuals [44], which may increase mayfly
sensitivity to pesticides [42,45], a period of starvation prior to pesticide exposure causes amplified
negative responses of survivorship, impairment, immobility, and moulting frequency.

3. A higher density of mayfly individuals intensifies the effect of the starvation period, with the
resulting increase in competition for resources also amplifying the predicted adverse effects of
imidacloprid on all four mayfly responses, similarly to above. Density-dependent increases in
competition intensity are common in ecological systems [51].

2. Materials and Methods

2.1. Mayfly Food Supply

Our experiment was run in Austral winter in a temperature-controlled room at the University
of Otago in Dunedin, New Zealand. Mayfly larvae were fed stream periphyton grown on unglazed
terracotta tiles (10 × 10 × 1.4 cm). Roughly 300 tiles were placed in Lindsay Creek, a second-order
stream, at a site in suburban Dunedin (45.8420 ◦S, 170.5408 ◦E). The site was concealed from public
view, had Deleatidium mayflies present in its benthic invertebrate community, and was located in a
small stream with a forested catchment that was unlikely to flood (causing bed disturbance) due to
high rainfall. Additionally, because there is little urban influence and no agriculture upstream of the
site (the stream drains a nature reserve clad in native forest culminating in Mt. Cargill at 680 m a.s.l.),
it was unlikely that imidacloprid or any other pesticide was present in the stream. Tiles were exposed
on 1 July 2016, two weeks prior to the start of the experiment, and collected on the morning of each
day they were required.

2.2. Mayfly Collection

Roughly 750 Deleatidium larvae were collected on 15 July 2016 by electric fishing from a reach of
Silver Stream (45.8096 ◦S, 170.4211 ◦E), a fourth-order stream near Dunedin. Electric fishing strongly
increases invertebrate drift rates and is a fast, efficient method for collecting stream invertebrates. This
technique has been used successfully in New Zealand and North America for ecological experiments
where large numbers of live, unharmed invertebrate specimens were needed [49,52].

The stream reach is located in a native forest catchment without agriculture, thus the test organisms
had no prior exposure to imidacloprid. A section of this reach measuring 75 m was repeatedly sampled
using a pulsed DC backpack Electric Fishing Machine (Kainga EFM300; NIWA, Christchurch, New
Zealand). Deleatidium larvae included a range of instars (sizes ranging 5–15 mm in length excluding
tail filaments); late instar larvae with visible black wing pads were excluded due to an increased chance
of emerging during the experiment.

Mayflies were returned to a climate-controlled room with a 16:8-h light:dark photoperiod and
left overnight in aerated 4-L containers filled with stream water, to allow water temperature to adjust
to the ambient temperature. Over the next 48 h, room temperature was gradually raised from 9 to
15 ◦C and then kept at 15 ± 1 ◦C for the entire experimental period (the same temperature as in a
previous study on stream mayflies exposed to imidacloprid [53]). All mayflies were provided with
periphyton tiles for food during this period to ensure they were not subjected to any food limitation
prior to the experimental starvation period (see below). After the first 24 h, mayflies were transferred
to aerated 4-L containers containing ASTM (American Society for Testing and Materials) artificial soft
water (ASW) at climate-room temperature and then left to acclimate for a further 24 h. ASW consists of
reconstituted deionized water containing known quantities of dissolved solutes (0.57 mM NaHCO3,
0.17 mM CaSO4•2H2O, 0.25 mM MgSO4, and 0.03 mM KCl).
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2.3. Experimental Design

Our experiment was conducted over 14 days in July 2016 (following the 2-day acclimation period),
comprising a 5-day starvation period and 9 days of imidacloprid exposure. At the end of the acclimation
period, 36 tiles with periphyton (see above) were collected from Lindsay Creek. Eighteen of these were
scrubbed to remove all accrued algae so that half the experimental units were subjected to a starvation
period while being provided with the same substratum as the non-starved group. Thirty-six 1.16-L
glass containers measuring 19.9 × 14.4 × 6.3 cm (Keep’N’Box 116 cl; Luminarc, Arques, France) were
filled with 500 mL ASW. One tile was added per container (tiles with and without algae were randomly
allocated), and 20 mayflies were placed in each. Containers were placed randomly in an aeration tube
setup using four air pumps (Aqua One Precision 7500; Aqua One, Ingleburn, NSW, Australia) to aerate
all containers, and left for five days. This duration was chosen for the starvation period because in a
previous related experiment, Deleatidium showed high survivorship (90%–100%) over 96 h plus an
acclimation period, all with no feeding [41]. During previous pilot studies, we had also observed
that the mayfly larvae showed clear signs of hunger after 48 h of no feeding: almost all individuals
started feeding as soon as a tile with periphyton was placed into the container for the first time [54], a
behaviour which was not observed when tiles were subsequently replaced. For these reasons, we were
confident that most mayflies would survive the starvation period of five days while still experiencing
some stress due to hunger.

In order to determine how the other two stressors—starvation and mayfly density—might
interact with different levels of imidacloprid toxicity, our experiment required two distinctly different
imidacloprid concentrations. Accordingly, we used one control concentration (0 μg L−1), one ‘lower’
concentration expected to cause some sublethal adverse effects (in this case impairment; see below
for a definition of this sublethal endpoint), and one ‘higher’ concentration expected to cause some
mortality. These concentrations, 0.9 and 2.1 μg L−1 respectively, were determined from the results of two
separate 28-day concentration-response experiments examining imidacloprid toxicity on Deleatidium
larvae [55,56].

Following the starvation period, the three imidacloprid treatments were randomly allocated to
the 36 experimental units, with 500 mL of solution in each container. Solutions were made using ASW
and analytical standard grade imidacloprid (99.9% purity Imidacloprid PESTANAL®; Sigma-Aldrich,
Castle Hill, NSW, Australia). A working imidacloprid stock solution (10 μg L−1) was used to produce
the treatment solutions. Control containers received 500 mL each of pesticide-free ASW. All tiles were
replaced with a fresh tile (with periphyton food) from the stream, and all units were provided with
periphyton food for the remainder of the experiment (the 9-day imidacloprid exposure period, see
Section 2.4). To test the potential effects of mayfly density, containers were then manipulated so that
half the units held 10 mayfly individuals and half held 20, by removing excess individuals from the ‘10’
treatments and replacing any that had died in the ‘20’ treatments while ensuring they were from the
correct starvation treatment.

2.4. Determination of Mayfly Responses

Every three days during the imidacloprid exposure period (Days 3, 6, and 9), mayflies were
observed and the numbers of dead, alive, impaired, and immobile individuals (out of those alive) and
the mean number of moults per individual in each container were determined. In this experiment, we
defined ‘impairment’ and ‘immobility’ as purely sublethal responses, to avoid confounding sublethal
and lethal responses by combining the former with mayfly survivorship, and therefore only considered
individuals that were still alive for these two sublethal responses. Impairment was defined as the
inability of an individual to swim or to right itself. All individuals were gently lifted into the water
column to test swimming ability—the natural response for a healthy Deleatidium larva is to swim
toward a solid surface to cling to. If unable to swim, the individual was tested for righting ability by
gently placing it ventral side up. An individual that was impaired could also be immobile, a more
severe sublethal response. In order to test for immobility, an impaired individual was placed onto
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a piece of stainless-steel mesh to test its ability to walk. If no sign of movement ability was evident
besides some twitching of appendages, the individual was recorded as immobile.

Dead individuals and shed exuviae were removed from the containers daily. Periphyton tiles
and solutions were replaced once during the pesticide exposure period, on Day 6, with tiles collected
from the stream on the same morning. Also on Day 6, prior to replacing the tiles and solution, one
1000-μL water sample was taken from each treatment combination by sampling one of the three
replicate containers at random (n = 12 in total) and freezing at −21 ◦C for later determination of the
actual imidacloprid concentrations using the ELISA method (see Section 2.5). Three of the four water
samples per imidacloprid addition treatment (0.9 and 2.1 μg L−1; six in total) were randomly selected
for ELISA testing.

2.5. Validation of Imidacloprid Concentrations

Concentrations of imidacloprid in the experimental units were verified using an enzyme-linked
immunosorbent assay (ELISA) kit. This kit consists of a microplate with wells containing an antibody
with a known binding efficiency for imidacloprid. Concentrations are determined by analysing the
amount of imidacloprid that binds to these antibodies. A set of ‘standards’, with known imidacloprid
concentrations, are analysed in the same way as the samples being tested. The kit (Imidacloprid ELISA
Kit, 96 Test Microtiter Plate (Product No. 500800); ABRAXIS LLC, Warminster, PA, USA) had a detection
range of 0.06 μg L−1 to 1.2 μg L−1. According to the kit’s instructions, concentrations around 0.4 μg L−1

(the middle of the calibration range) yield the most accurate results; therefore, samples were diluted to
0.4 μg L−1 prior to testing. Each sample was tested in either duplicates or triplicates. Immediately
following the ELISA procedure, the microplate was analysed using a microplate photometer (FLUOstar
Omega Microplate reader; BMG LABTECH, Allmendgruen, Ortenberg, Germany).

2.6. Data Analysis

Effects of the experimental manipulations on survivorship, impairment, immobility, and moulting
in Deleatidium larvae were assessed using separate three-way ANOVAs in SPSS version 24 (IBM SPSS
Statistics; IBM Corp., Armonk, NY, USA). The ANOVA model included three categorical fixed factors,
‘imidacloprid concentration’ (0, 0.9, and 2.1 μg L−1), ‘starved’ (yes or no), and ‘density’ (10 or 20
individuals), plus all factor interactions. The resulting model was intercept (degrees of freedom 1) +
imidacloprid concentration (d.f. 2) + starved (1) + density (1) + starved × concentration (2) + density ×
concentration (2) + starved × density (1) + starved × density × concentration (2) + error (24) (n = 36).
For the survivorship response, total sample size (n) was 36 on all three sampling dates. For the sublethal
responses impairment, immobility, and moulting, n differed depending on the experimental units
remaining on a given date (n decreased with time as mayflies died; see Section 3.2). Because of this
decrease, each sampling date was analysed individually for all mayfly response variables. ANOVAs
were performed for all sampling dates where the study design was considered balanced enough. The
significance level α for all tests was p = 0.05, and all response patterns summarised in the text were
significant. For all significant main effects of imidacloprid concentration, pairwise comparisons were
conducted with Tukey’s HSD post-hoc tests. Standardised effect sizes (partial η2 values, range 0–1; [57])
are presented for all p-values < 0.1 to allow our readers to evaluate the likely biological relevance of the
results [58]. Effect sizes can be classified as: <0.10 very small, ≥0.10 small, ≥0.30 medium, and ≥0.50
large [59]. Because factor main effects can be difficult to interpret when significant interactions are
present, for any results where an interaction had a larger effect size than the corresponding significant
main effect(s), the interaction alone was interpreted [60].
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3. Results

3.1. Achieved Imidacloprid Concentrations

Actual concentrations were (mean ± SE) 108 ± 5% (0.97 ± 0.05 μg L−1) and 127 ± 10%
(2.67 ± 0.2 μg L−1) of the target concentrations of 0.9 and 2.1 μg L−1, respectively. All figures, tables,
and discussion are based on these achieved concentrations.

3.2. Sample Size

For mayfly survivorship, the full sample size of 36 experimental units remained across all three
sampling dates, while sample sizes for the sublethal responses (impairment, immobility, and moulting
frequency) decreased with time in some treatment combinations (Table 1). Because of this decrease,
the experimental design became increasingly unbalanced from Day 6 onwards. Therefore, statistical
results for the latter three responses are presented only for sampling dates where outputs were deemed
robust enough to interpret. For illustrative purposes, response patterns for all three dates are shown
for all four variables (Figures 1 and 2). However, for immobility and moulting frequency, only the
statistically robust results of the ANOVAs for Days 3 and 6 are presented in tabular form (the data on
Day 9 for these two responses contained many zero values and some missing values—see Figure 2).

Table 1. Numbers of replicate experimental units (with at least one alive animal) remaining for
each treatment combination across sampling dates. Note that the response ‘moulting frequency’ was
calculated using the sample size of the previous sampling date (three days earlier); therefore, sample
sizes for this response variable are equal to that of the previous date.

Conc. (μg L−1) Starved Y/N Density Day 3 Day 6 Day 9

0.0 N 10 3 3 3
0.0 N 20 3 3 3
0.0 Y 10 3 3 3
0.0 Y 20 3 3 3

0.97 N 10 3 3 2
0.97 N 20 3 3 3
0.97 Y 10 3 3 2
0.97 Y 20 3 3 3

2.67 N 10 3 2 0
2.67 N 20 3 3 1
2.67 Y 10 3 3 1
2.67 Y 20 3 3 2

Total - - 36 35 26
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3.3. Mayfly Responses

3.3.1. Survivorship

Deleatidium survivorship generally decreased in one or both imidacloprid addition treatments on
all days of the imidacloprid exposure period (Figure 1a, Table 2). On Days 3 and 6, the main effect
of imidacloprid on survivorship was overridden by a stronger starvation × imidacloprid interaction
(see below). Effects of imidacloprid exposure increased with time. The largest effect of all treatment
combinations on mayfly survival was the imidacloprid main effect on Day 9 (partial η2 = 0.67), when
survivorship decreased in a concentration-dependent manner.

Survivorship was also influenced by a starvation × imidacloprid interaction on all three dates
(Table 2). The general pattern across all dates was that in treatments without imidacloprid addition,
survivorship was lower in starvation treatments (Figure 1a). In the lower imidacloprid treatment, this
pattern was also evident, whereas in the higher treatment the pattern was reversed (except for Day 9
when survivorship was generally low in the higher treatment).

Mayfly density alone had no effect on survivorship; however, on Day 9 there was a weak
interaction between density and imidacloprid (Table 2). In treatments without imidacloprid addition,
mean survivorship (across both starvation treatments) was lower in mayfly groups with 20 individuals
than in those with 10 individuals, whereas this pattern was reversed in the two imidacloprid addition
treatments (Figure 1a). Finally, on Days 6 and 9, there was an overall (in the control and lower
imidacloprid treatments) negative effect of starvation on mayfly groups with 20 individuals, whereas
starvation had little to no effect on groups with 10 individuals (starvation × density interaction).

Table 2. Results of three-way ANOVAs comparing the ‘survivorship’ response between experimental
treatments. p-values < 0.05 are in bold text, and effect sizes (ES; partial η2 values; range 0–1) are given
in brackets where p < 0.10. Two interactions that overrode main effects of imidacloprid (due to a larger
effect size) are underlined. Effect size categories are: ‘trivial’ < 0.1, ‘small’ > 0.1, ‘medium’ > 0.3, ‘large’
> 0.5 [59]. Treatment level rankings for significant main effects of imidacloprid are based on significant
differences determined in pairwise comparisons using post-hoc tests. Imidacloprid concentrations in
these rankings are in μg L−1.

Sampling
Day

Imidacloprid
Concentration

(IMI)
p (ES)

Ranking

Starvation
p (ES)

Density
p

Starved ×
IMI

p (ES)

Density ×
IMI

p (ES)

Starved ×
Density
p (ES)

Starved ×
Density ×

IMI
p

Day 3
0.01 (0.32)
0.97 > 2.67 0.34 0.48

0.001

(0.43) 0.14 0.16 0.96

Day 6
0.007 (0.34)

(0 = 0.97) > 2.67 0.27 0.94
<0.001

(0.49) 0.11 0.01 (0.25) 0.84

Day 9
<0.001 (0.67)

0 > 0.097 > 2.67 0.01 (0.27) 0.97 0.03 (0.25) 0.03 (0.25) 0.01 (0.27) 0.15

3.3.2. Impairment

The proportion of impaired mayfly nymphs (out of those alive) in treatments without added
imidacloprid was zero on all three sampling dates, and imidacloprid addition strongly increased
impairment on all dates (Figure 1b, Table 3). On Day 3, imidacloprid only increased Deleatidium
impairment at the highest concentration (2.67 μg L−1), whereas on Day 6, impairment increased in a
concentration-dependent manner. By Day 9 (when few surviving mayflies remained, see Figure 1a),
impairment was similar at 0.97 μg L−1 and at 2.67 μg L−1.

Starvation weakly increased impairment on Day 6, and on Day 3 there was a moderate main
effect of starvation but a stronger starvation × concentration interaction overrode it (Table 3). On Day
3, starved mayflies showed greater impairment than non-starved mayflies, but only in the higher
imidacloprid treatment (Figure 1b). A strong starvation × concentration interaction also occurred
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on Day 9. This effect was similar to that observed on Day 3, except that on Day 9 the increase in
impairment with starvation occurred only in the lower imidacloprid treatment (note that the number
of experimental units in the higher imidacloprid treatment had decreased considerably by Day 9 due
to many mayfly deaths, see Table 1).

Also on Day 9, mayfly density had a moderate main effect on impairment, but a slightly stronger
interaction between density and concentration overrode this main effect (Table 3). Impairment was
somewhat higher in containers with 10 individuals than in those with 20, but only in the lower
imidacloprid treatment (Figure 1b). In the higher imidacloprid treatment, the much smaller, unequal
sample sizes (with one treatment combination missing completely) did not allow reliable interpretation
of this interaction.

Table 3. Results of three-way ANOVAs comparing the ‘impairment’ response between experimental
treatments. p-values < 0.05 are in bold text, and effect sizes (ES; partial η2 values; range 0–1) are given
in brackets where p < 0.10. Two interactions that overrode main effects of starvation or density (due to
a larger effect size) are underlined. See Table 2 for further details.

Sampling
Day

Imidacloprid
Concentration

p (ES)
Ranking

Starvation
p (ES)

Density
p (ES)

Starved × IMI
p (ES)

Density ×
IMI

p (ES)

Starved ×
Density

p

Starved ×
Density ×

IMI
p

Day 3
<0.001 (0.80)

(0 = 0.97) < 2.67
0.001
(0.36) 0.113 <0.001 (0.47) 0.21 0.84 0.93

Day 6
<0.001 (0.91)

0 < 0.97 < 2.67 0.01 (0.26) 0.22 0.16 0.12 0.18 0.13

Day 9
<0.001 (0.76)

0 < (0.97 = 2.67) 0.40 0.01 (0.35) 0.002 (0.56) 0.03 (0.38) 0.80 0.80

3.3.3. Immobility and Moulting

For these two sublethal responses, only the results of the ANOVAs for Days 3 and 6 were
statistically robust, due to the reduced, strongly unequal sample sizes on Day 9 (see Section 3.2). As for
mayfly impairment, the proportion of immobile nymphs (out of those alive) in treatments without
added imidacloprid was zero on all sampling dates (Figure 2a). On Day 3, immobility was either
zero or very low and unaffected by the experimental manipulations (Table 4). On Day 6, immobility
increased strongly at the higher imidacloprid concentration (Table 4, Figure 2a).

A moderate effect of starvation, also on Day 6, was overridden by a slightly larger starvation
× concentration interaction (Table 4). In this interaction, the increase in immobility in treatments
with added imidacloprid compared to controls was amplified by starvation, especially at the higher
imidacloprid concentration.

In contrast to the other two sublethal responses, moulting frequency of mayfly nymphs (always
calculated using the sample size of the collection date three days earlier, see Table 1) was unaffected by
all manipulated factors and their interactions (Table 4, Figure 2b).

Table 4. Results of three-way ANOVAs comparing responses between experimental treatments for
‘immobility’ (grey) and ‘moulting frequency’ (white). p-values < 0.05 are in bold text, and effect sizes
(ES; partial η2 values; range 0–1) are given in brackets where p < 0.10. One interaction that overrode a
main effect of starvation (due to a larger effect size) is underlined. See Table 2 for further details.

Sampling
Day

Imidacloprid
Concentration

p (ES)
Ranking

Starvation p
(ES)

Density
p

Starved ×
IMI

p (ES)

Density ×
IMI

p

Starved ×
Density

p

Starved ×
Density ×

IMI
p

Day 3
0.16 0.87 0.17 0.97 0.16 0.87 0.97
0.60 0.61 0.50 0.76 0.47 0.87 0.38

Day 6
<0.001 (0.54)

(0 = 0.97) < 2.67 0.004 (0.31) 0.81 0.01 (0.34) 0.32 0.16 0.58

0.56 0.54 0.78 0.93 0.78 0.31 0.29
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4. Discussion

4.1. Imidacloprid Effects on Mayflies

Our experiment investigated the individual and interactive effects of exposure to field-realistic
concentrations of imidacloprid, a starvation period, and population density on nymphs of the mayfly
Deleatidium. Overall, imidacloprid exposure strongly reduced mayfly survivorship and strongly
increased impairment, supporting our first hypothesis. Imidacloprid also resulted in strongly increased
levels of mayfly immobility, again as predicted, although only on one sampling date (Day 6), most
likely because all individuals immobilized on Day 6 had died by Day 9. Our higher imidacloprid
concentration (2.67 μg L−1) had relatively immediate effects on both survivorship and impairment,
whereas the lower concentration (0.97 μg L−1) had little effect immediately but ‘caught up’ with the
higher concentration by the ninth day of exposure. The delayed effects on mayfly responses at our lower
concentration are not unexpected because the toxicity of neonicotinoids is time-dependent [6,61] and
the blockage of nAChRs in the invertebrate central nervous system may be largely irreversible [62,63]
(see Section 4.4 for further discussion of this point).

4.2. Starvation Effects and Interactions with Imidacloprid

The importance of strengthening the integration of ecological principles into the field of
ecotoxicology is increasingly being recognized [27,64–66]. Our study was designed to make a
step towards this goal by determining the effects of exposure to imidacloprid in combination with two
biotic ‘natural stressors’ commonly affecting mayfly larvae in streams. Robust main effects of the prior
5-day starvation period on Day 6 (increased impairment) and Day 9 (reduced survivorship) of the
pesticide exposure period indicated that starvation had delayed effects on both mayfly responses. In
another multiple-stressor experiment involving insecticide exposure with a prior starvation period,
Dinh, Janssens, and Stoks [67] found that starvation had both immediate and delayed negative
sublethal effects on the growth rate and physiology of larvae of the European damselfly Coenagrion
puella. A six-day starvation period (prior to seven days of exposure to the neuro-active insecticide
chlorpyrifos) reduced growth rate and various proxies of insect immune system activity, indicating some
suppression of metabolic rate and immune function, both during the starvation period and continuing
into the pesticide exposure period. This finding parallels our own results. Nevertheless, starvation
did not interact with the pesticide to reduce C. puella survivorship, which was only significantly
reduced when individuals were exposed to chlorpyrifos and a combination of prior starvation and
a prior heat wave (three-way interaction) [67]. In our study, interactions between starvation and
imidacloprid concentration occurred on several sampling dates for survivorship, impairment and
immobility. However, in the case of survivorship, this was not usually because the prior starvation
period amplified the adverse effects of the subsequent imidacloprid exposure, as we had predicted
in our second hypothesis. Instead, such an amplified negative effect of starvation occurred only
at the lower imidacloprid concentration, whereas starvation appeared to have a positive effect on
survivorship at the higher imidacloprid concentration. By contrast, the sublethal mayfly responses
largely supported our hypothesis. Both mayfly impairment (on Day 3) and immobility (on Day 6) were
amplified in starvation treatments in the earlier stages of the imidacloprid exposure period, and these
effects were ultimately drowned out by the more severe lethal impacts of imidacloprid on Day 9.

Experiments investigating the potential interactions between nutritional conditions of non-target
aquatic organisms and pesticides are scarce [39]. However, a 2013 study on the damselfly Enallagma
cyathigerum by Janssens and Stoks [68] revealed that nutritional conditions can influence the outcome
of exposure to chlorpyrifos. The damselfly larvae responded to the pesticide by accelerating their
development—possibly an adaptive response to shorten larval lifespan—but could do so only under
optimal nutritional conditions. Immune function in invertebrates is known to be variable depending
not only on food availability but also a range of other fluctuating abiotic factors such as salinity and
temperature [69,70], and it is likely that there are physiological trade-offs involved which may alter the
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outcome of exposure to contaminants such as neonicotinoids. Consequently, while support for our
hypothesis regarding adverse synergistic interactions between starvation and imidacloprid exposure
was evident only for sublethal responses, our findings along with evidence from previous studies
suggest that further research on this topic is warranted.

4.3. Mayfly Density Effects and Interactions with Starvation or Imidacloprid

Mayfly population density (10 or 20 individuals per container) had no robust factor main effects
on any of the studied mayfly responses, but significant interactions of density with starvation occurred
for survivorship on Days 6 and 9. On these days, survivorship in the lower imidacloprid treatment
and especially in controls was overall lower in starved treatments. However, this effect was more
pronounced in starved containers with 20 individuals, particularly in controls on Day 9 (where
survivorship was only about 10%, compared to about 70% in starved containers with 10 individuals).
This response pattern suggests that mayfly larvae found it harder to recover from the starvation
period at the higher population density, perhaps due to increased competition for the periphyton
resources provided on the pre-colonised tiles. Interestingly, this potential consequence of intra-specific
competition did not become evident until six days after the end of the five-day starvation period.
Furthermore, there were weak to moderate interactions between mayfly density and imidacloprid
concentration on Day 9 for survivorship and impairment. However, the generally low survivorship at
the higher imidacloprid concentration and the small, unequal sample sizes for impairment on this day
prevented biologically meaningful interpretations of these two interactions.

Currently, no other studies have investigated the possible combined effects of population density
and neonicotinoids on non-target freshwater invertebrates. The few existing studies investigating
density-dependent or competitive processes and their interactions with pollutants [47,48,71,72]
involved interspecific interactions or looked at very different responses such as individuals’ longevity.
Consequently, there is little to compare these findings of our study to. In fact, population density of test
organisms was not mentioned in two recent reviews of pollutant interactions with natural variables or
stressors [38,39].

In our experiment, the higher mayfly population density led to increased mayfly mortality when
combined with a preceding starvation period (as discussed above), whereas population density had no
effects on the studied sublethal mayfly responses. It is worth noting that density of Deleatidium larvae
in the bed substrata of New Zealand streams can exceed 6000 individuals per m2 [73]; this is more
than 8.5 times the density in our 20-nymph treatment (which is equivalent to 698 individuals per m2).
Thus, intra-specific competition for periphyton food resources among Deleatidium individuals during
periods of food shortage could be considerable in real streams.

4.4. Which Are the Most Informative Sublethal Mayfly Responses?

While quite a few studies have now assessed the toxicity of imidacloprid to mayfly larvae [22,23,
41,53,74–79], the most reliable indicators of sublethal toxic effects on these particular organisms have
not been well established. In our study, ‘impairment’ and ‘immobility’ were treated as distinct, purely
sublethal responses, with neither response including mortality and impairment occurring at lower
concentrations than immobility. A recent study on the North American mayfly Isonychia bicolor also
documented several sublethal responses to imidacloprid that occurred prior to total immobilization,
including muscle spasms and lethargy [74]. While the blockage of nAChRs in the invertebrate
central nervous system by neonicotinoids is widely regarded as irreversible [63,64], there is some
recent evidence of the potential for reversible binding, with recovery of two freshwater invertebrates
(including the North American mayfly Neocloeon triangulifer) from an immobilized state observed
following one short-term pulse of imidacloprid [76]. For mayflies at least, it therefore seems that
‘impairment’ as defined in our study (without including mortality) is a crucial sublethal endpoint to
consider, as such impairments most likely alter an individual’s ability to feed, evade predators, and
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therefore survive in real stream communities. Thus, studies that do not address sublethal endpoints,
such as impairment, may underestimate the true toxicity of imidacloprid [74].

None of our three experimental factors or their interactions affected Deleatidium moulting frequency.
This was generally very low, and statistical analysis was possible only on Days 3 and 6 of the pesticide
exposure period. These results contrast with those from the 96-h experiment by Macaulay et al. [41], the
only other existing study involving Deleatidium nymphs and imidacloprid. In that study, Deleatidium
moulting frequency was generally much higher than in the present study, and imidacloprid exposure
decreased moulting frequency. The lack of consistency across these studies, in spite of both being run
during Austral winter, suggests that moulting frequency may not be a reliable sublethal response for
Deleatidium nymphs, although it could be for other mayfly taxa [80,81].

4.5. Limitations of Our Study

We acknowledge that, compared to the relatively few existing mesocosm experiments in which
entire stream communities were exposed to pesticides combined with other stressors, e.g., [66,82,83],
our multiple-stressor laboratory study has low environmental realism, which limits the extrapolation
of our findings to real streams. Nevertheless, similar to the laboratory experiment on damselfly larvae
by Dinh et al. [67] in which prior exposure to a simulated heat wave under food limitation made the
insecticide chlorpyrifos more lethal, our experiment provides a ‘proof-of-principle’ that synergistic
interactions between a neonicotinoid and food limitation can worsen sublethal impacts on stream
insects. Our findings warrant further tests of this ‘proof-of-principle’ in more field-realistic experiments.

Second, our selected two imidacloprid concentrations were successful in producing different
lethal and sublethal mayfly responses, but the higher achieved concentration (2.67 μg L−1) caused
rather severe effects on some of the responses from Day 6 of the pesticide exposure period onwards.
This potentially made detection of interactions between the three experimental factors more difficult
because the generally strong effect of imidacloprid exposure may have hidden weaker effects of the
other two factors.

Finally, the concentration ranges of neonicotinoids in New Zealand’s freshwaters are still poorly
known. Neonicotinoids are widely applied in agriculture and horticulture [84] and have recently been
detected in agricultural streams [85] and in groundwater [86], and several other pesticides have been
found in sheep/beef farming streams [87,88]. However, because the first stream survey in New Zealand
for neonicotinoids was conducted during a long drought and the limited number of sites sampled
may not have included any sites with high pesticide use in their catchments, the concentrations
measured are probably serious underestimates of the concentrations that can occur [85]. Consequently,
our experimental imidacloprid concentrations can be mainly compared to the commonly detected
concentrations outside New Zealand. A 2016 meta-analysis of neonicotinoid residues in freshwaters
across 11 countries by Sánchez-Bayo et al. [6] found an average detected imidacloprid concentration
of 0.73 μg L−1, with maximum concentrations reaching up to 320 μg L−1. Of the 27 surveys testing
for imidacloprid in this meta-analysis, the average concentrations exceeded our low concentration
of 0.97 μg L−1 in six studies, and the highest concentrations detected exceeded both our treatment
concentrations in 11 studies. In another survey of streams around Sydney, Australia, imidacloprid
concentrations were mostly between 0.05–1.0 μg L−1 but reached up to 4.6 μg L−1 [4]. Based on these
data, the imidacloprid concentrations used in our study (0.97 and 2.67 μg L−1) seem likely to occur in
New Zealand streams draining agricultural or urban landscapes to which neonicotinoids are applied.
However, future surveys of New Zealand streams during periods of variable flows, ideally focusing
on catchments where pesticide applications on land are known to be high, are required to confirm this.

5. Conclusions

Improving the ecological realism of ecotoxicological studies is crucial for providing the scientific
knowledge needed to regulate pesticide use more safely in the future. Our study starts to address this
challenge by combining low, field-realistic concentrations of imidacloprid with two natural stressors.
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Our findings suggest that periods of food shortage may worsen the impact of exposure to imidacloprid
on stream mayfly populations and, ultimately, the stream and terrestrial food webs they are vital to [6].
Thus, we demonstrate the importance of integrating ecological concepts (i.e., the effects of natural
stressors such as food shortages) into studies of contaminant effects on freshwater ecosystems.

Worldwide, there are an increasing number of studies assessing the toxicity of neonicotinoids to
non-target organisms, but very few that explore potential interactions with natural or anthropogenic
stressors that may worsen the impacts of neonicotinoids on these organisms in real ecosystems.
Many more such multiple-stressor experiments are required, including experiments involving realistic
stream food webs in open-system mesocosms that permit natural immigration and emigration of
stream biota, in order to assess the broader effects of neonicotinoids on community structure and
ecosystem processes.

It is also necessary to perform more ecological multiple-stressor field studies aimed at evaluating
to which extent the current pesticide regulation may in fact be protective, for example by surveying
benthic invertebrate community compositions in multiple streams spanning wide gradients of pesticide
concentrations combined with other agricultural stressors. Such studies would progress real integration
between the fields of freshwater ecology and ecotoxicology, a long-term goal we believe to be of
utmost importance if the future biological integrity of our freshwater ecosystems is to be maintained
or improved.
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Abstract: Recently there has been increasing concern over the vast array of emerging organic
contaminants (EOCs) detected in streams and rivers worldwide. Understanding of the ecological
implications of these compounds is limited to local scale case studies, partly as a result of technical
limitations and a lack of integrative analyses. Here, we apply state-of-the-art instrumentation to
analyze a complex suite of EOCs in the streambed of 30 UK streams and their effect on streambed
communities. We apply the abundance–body mass (N–M) relationship approach as an integrative
metric of the deviation of natural communities from reference status as a result of EOC pollution.
Our analysis includes information regarding the N and M for individual prokaryotes, unicellular
flagellates and ciliates, meiofauna, and macroinvertebrates. We detect a strong significant dependence
of the N–M relationship coefficients with the presence of EOCs in the system, to the point of shielding
the effect of other important environmental factors such as temperature, pH, and productivity.
However, contrary to other stressors, EOC pollution showed a positive effect on the N–M coefficient
in our work. This phenomenon can be largely explained by the increase in large-size tolerant taxa
under polluted conditions. We discuss the potential implications of these results in relation to
bioaccumulation and biomagnification processes. Our findings shed light on the impact of EOCs on
the organization and ecology of the whole streambed community for the first time.

Keywords: abundance-size scaling theory; benthos; hyporheos; freshwater communities;
pharmaceuticals; large scale survey

1. Introduction

Today, most of the world’s rivers transport contaminants derived from anthropogenic activities [1,2]
in a concomitant reduction of important ecosystem services such as clean drinking water [3],
leading to global public alarm [1,4]. This problem is predicted to become more acute in the coming
decades as a result of increasing concentrations of emerging organic compounds (EOCs), as well as
their transformation products, detected in surface and groundwater systems globally [5,6]. EOCs,
also known as trace organic compounds or micro-pollutants, are compounds of anthropogenic
origin that contaminate natural systems (by up to several micrograms per liter) and which may
lead to adverse effects in wildlife, including endocrine disruption, behavioral alterations, and
developmental inhibition [7–10]. EOCs comprise a vast set of synthetic chemicals, ranging from
daily-use pharmaceuticals and personal care products to pesticides and agricultural chemicals [6].
EOC pollution occurs when these chemicals enter natural systems in many different ways, including as
a part of wastewater treatment plant release and percolation from agricultural areas in floodplains [11],
resulting in a widespread and constant source of pollution (EOC pollution) with the potential to
affect all levels of biological organization [9]. However, characterization and quantification of EOCs
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in riverine systems is still limited, as is our understanding of their relationship with environmental
gradients, especially at large spatial scales [4]. This is largely because determining low concentrations
of these substances can be a challenge using existing analytical methodologies [12]. Consequently,
most EOCs have been determined to be low risk due to low environmental concentrations [13], and
their effect on natural systems is largely unknown.

Most anthropogenic effluents are discharged to surface streams and rivers where water is
exchanged between the open channel and the saturated permeable streambed sediments [14].
Consequently, dissolved EOCs penetrate the sediments, and organisms located here may be exposed
to the effects of EOCs for longer periods of time because of the extended residence times of water
in the pore-spaces [15,16]. Streambed sediments harbor diverse and productive biological consortia,
whose components range from prokaryotes and microscopic single cell eukaryotes (e.g., flagellates and
ciliates) through to meio- and macrofauna (rotifers, copepods, and insect larvae). This translates into a
great diversity of life strategies and adaptation capabilities, and, consequently, understanding the effect
of EOCs on the whole streambed assemblage is challenging. For example, it might be expected that the
rapid population growth and adaptation capacity of prokaryotes might result in a less detrimental
effect of chronic low levels of pollution compared to larger size fractions with longer life cycles and
lower recruitment rates. However, current insights on the effect of EOCs in streambed communities
are limited and target single groups such as prokaryotes [17,18], protists [18], and invertebrates [19,20].
Previous studies have focused on reach or local scales with low replication power. However, the
functions and services provided by the streambed are mediated by all the different groups of organisms
and the complex interactions between them and the environment [21]. Thus, a more integrative analysis
ensuring the representation of the whole streambed assemblage, as well as large-scale approaches,
must be undertaken to fully understand how riverine ecosystems will respond to the input of EOCs.

Body size scaling represents a synthetic analytical framework [22] which can be used to integrate
the whole streambed assemblage. In particular, the allometric relationship between abundance (N) and
body mass (M) is a widely studied pattern in ecological research [23,24]. When individual organisms
are grouped into body mass classes, regardless of their taxonomy, the slope of the N–M relationship,
or ‘size spectra’, provides an integrated measure of the community structure and the energy flow
across trophic levels [25]. This is especially true in freshwater ecosystems, where communities are
strongly size-structured [26,27] and gape-limited predation predominates [25]. The intercept of the
N–M relationship provides a proxy for the community carrying capacity while the slope represents the
energy flow and trophic transference efficiency in the system. Thus, N–M coefficients can be used as
a quantitative measure of deviation of a natural community in relation to a reference status due to
anthropic stressors [28]. Typically, intercepts decrease and size spectra become steeper under stress
conditions [29]. To date, we do not know how EOCs affect the N–M relationship despite the insights
that this approach could afford with regard to understanding how EOCs compromise the natural
functioning of riverine systems.

Here, we report for the first time the effect of EOC pollution on community composition and
N–M relationship coefficients in streambed communities following a regional scale approach. For
this purpose, we make use of a large dataset from an existing survey study characterizing streambed
communities and environmental features across 30 UK streams [21]. We complement that dataset with
unpublished concentrations of 24 model EOCs measured in the pore-space of the streambeds collected
at the same temporal and spatial resolution as the community samples. Our study delivers valuable
information regarding the presence and concentration of EOCs in natural freshwater systems and
their relationship with environmental gradients at a regional scale. Additionally, and exceptionally,
these datasets include information of the N and M for individual prokaryotes, unicellular flagellates
and ciliates, meiofauna (with body lengths between 0.45 and 500 μm), and macroinvertebrates (body
length > 500 μm). Thus, the data comprise more than 10 orders of magnitude in terms of M, ensuring
very good representation of the streambed assemblages. We hypothesize that EOC pollution results
in detrimental effects to streambed communities, especially for the large-size fractions with lower
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adaptation capacity to constant exposure to EOCs. Hence, we predict N–M coefficients (intercept and
slope) to decrease compared with reference systems. Our findings help understand how EOCs shape
the structure, metabolic capacity, and energy flow through components of the streambed assemblage.

2. Methods

2.1. Data Acquisition

Here, we complemented open-access available data from a large survey project (Peralta-Maraver
et al. 2019a) with data of EOC concentration, and calculation of N–M relationship coefficients. This
dataset comprises 30 streams covering 10 different catchments across England and Wales (UK, Figure 1).
Streams varied from small upland, acidic headwaters to large lowland, base-rich chalk streams,
covering a large productivity and pollution gradient. Original datasets included information on a
large set of environmental variables by study site: canopy cover, sediment morphology (cobbles,
gravel, sand, and silt), leaf litter, depth and width of channel, submerged plants and submerged wood,
temperature, pH, altitude, latitude, longitude, dissolved organic carbon, ammonium, nitrate, and
phosphate [21].

Figure 1. (a) Locations of the study systems in the United Kingdom, including number of emerging
organic contaminants (EOCrichness). (b) Non-metric multidimensional scaling (NMDS) ordination
model based on Canberra index comparing the dissimilarities in profile and concentration (μg L−1)
of dissolved compounds (macronutrients and EOCs) across the 30 studied rivers. Environmental
gradients that were significantly correlated (p < 0.05) with the ordination are overlapped with the
ordination. The arrows depict the relationship of fitted variables with the ordination.

Streambed communities were originally sampled using colonization traps (mesh = 0.5 cm, volume
= 38–45 mL) containing three different organic substrates [21]. At each study site, six colonization
traps were installed in pairs in the streambed at 0–2 and 15 cm depth for between 29–61 days. After
incubation, colonization traps were collected and streambed communities were processed in the
laboratory. Sampled organisms were identified and counted (N) and their body dimensions measured.
Then, body dimensions (length and width in μm) of all collected individuals were converted into dry
carbon content (M) using allometric relationships (further details on sampling design and sample
processing are available in Peralta-Maraver et al. [21]).

2.2. Sampling and Processing of EOCs

Streambed pore-water samples were collected from the studied sites using a dive point piezometer
during removal of colonization traps. One sampler per stream (n = 30) was pushed vertically into
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the streambed sediments to a depth of ~7.5 cm and 50 mL of water was pumped manually. Samples
were stored in a coolbox at 4 ◦C and transported to the laboratory within 24 h, where they were frozen
until analysis.

EOCs were analyzed using a previously developed direct-injection ultra-high-performance liquid
chromatography–tandem mass spectrometry (UHPLC-MS/MS) method (Posselt et al. 2018). A total
of 37 polar organic substances (mostly pharmaceuticals and their transformation products) were
selected based on their concentration ranges, detection frequency, degradation behavior, and potential
persistence, as well as their occurrence on priority lists [12,30–32]. Water samples were defrosted
and vortexed and a sample volume of 800 μL was combined with 195 μL methanol and 5 μL of an
internal standard mix. Afterwards, samples were vortexed again, filtered (Filtropur S 0.45 μm, PES
membrane, Sarstedt AG&Co, Nuembrecht, Germany) into LC vials (2 mL, Thermo Scientific, Dreieich,
Germany) and analyzed within 12 h. The sample injection volume was 20 μL. Liquid chromatography
was performed using a Thermo Scientific Ultimate 3000 UHPLC system equipped with a Waters
(Manchester, UK) Acquity UPLC HSS T3 column (1.8 μm, 2.1 mm × 100 mm). The mobile phase
consisted of 10 mM acetic acid in deionized water (A) and 10 mM acetic acid in methanol (B). The
flow rate was 500 μL min−1 for the gradient and 1000 μL min−1 for column equilibration. Instrumental
analysis was carried out using a Thermo Scientific Quantiva triple-quadrupole mass spectrometer
equipped with a heated electrospray ionization source. Detailed information on the LC gradient and
MS instrument settings can be found in Posselt et al. (2018). A series of calibration standards (in
80% LC/MS grade water/20% MeOH) containing the 37 target compounds and isotopically labelled
internal standards was measured three times. Data were processed using the Thermo Scientific
Xcalibur 3.1.66.10 instrument software and quantification was performed using the internal standard
method. Precision was determined by injecting a quality control standard every 15 samples. The
relative standard deviation was <1–12% for all detected compounds except for valsartan acid (21%)
and 4-hydroxydiclofenac (20%).

Concentrations in both analyzed blank samples were always below the method limit of
quantification for all targets. Method limits of quantification for the 37 targeted compounds are
provided in Table S1 and further information regarding materials, chemicals, and standards, as well as
additional quality control data can be found elsewhere [12].

2.3. Statistical Analysis

First, a non-metric multidimensional scaling (NMDS) ordination model was applied to compare
quantitatively the similarities in profile and concentration (μg L−1) of dissolved compounds
(macronutrients and EOCs) across the 30 studied rivers. Excessively large differences between
the smallest nonzero and largest concentration values were reduced using the Wisconsin double
standardization of variables [33]. This approach improves the detection ability of the similarity index
used in NMDS ordination [34]. The Canberra index was used to produce the ordination model and
it was run iteratively to find the ordination with the best fit (lower stress value). Subsequently, we
evaluated the degree to which the number and concentration of EOCs and dissolved compounds
such as nutrients were associated with the ordination axis. For this, we fitted all environmental
variables collected originally (Table S1) and new data on profiles and concentrations of EOCs onto the
resulting two-dimensional ordination following Peralta-Maraver et al. [35]. Degree correlation and
significance of the association between fitted variables and the ordination axis was then assessed after
a 1000 randomized permutation test.

Secondly, we applied multiple regression and backward model selection approaches to build the
N–M relationship models comparing reference systems (no EOCs detected) with polluted sites (EOCs
detected). We pooled data from all colonization traps by study site to provide an integrated sample of
the streambed community (n = 30 streambed communities). We constructed the N–M relationship for
each site by applying the logarithmic size-binning method [36]. Size bins were determined from the
(log10) body mass range for each sampled community and the abundances of organisms were then
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summed within each size bin [23]. We used a total of six bins to maximize the number of size bins while
minimizing the number of empty size bins in the analysis [23,26]. Next, we built a saturated model
comparing reference systems with EOC-polluted (two-level factor), and all environmental gradients
significantly related with the NMDS ordination. Also, and independently of their relationship with the
NMDS ordination, we included pH in the saturated model as a classical driver of the N–M relationship
in freshwater systems [37,38]. Covariates were dropped sequentially, and the model re-fitted. Then,
the Akaike information criterion (AIC) was applied to select the model with the best fit, and Akaike
weights (wi) were used to quantify the relative support of each model in comparison to all alternative
models (and therefore Σ wi = 1). In addition, we studied the potential collinear relationship between
all covariates included in the candidate models. Model selection and collinearity testing allowed
us to inspect potential confounding effects of EOCs with underlying gradients, such as productivity.
Model validation was finally applied to verify the underlying assumptions following Zuur et al. [39].
This encompassed testing normality and homoscedasticity of model residuals and their potential
dependence with those variables included and not included in the model (e.g., study site).

All statistical analyses were performed using R software (R Core Team, 2019). NMDS ordinations
and subsequent variable fitting were carried out using the functions metaMDS and envfit of the
R-package Vegan [40].

3. Results

From the 37 targeted compounds, a diverse set of 24 EOCs, including pharmaceuticals and other
organic contaminants, were collected from the streambed of two thirds of the study sites (Figure 1,
Table 1). The most EOC-polluted sites were mainly distributed in the east and southeast regions of
England. The 10 streams unpolluted by EOCs, hereafter called reference sites, were mainly located in
the west regions of Wales but were also represented in the southeast of England. The NMDS model
based on the 24 EOCs and macronutrients [nitrate, phosphate, and dissolved organic carbon (DOC)]
produced a two-dimensional ordination with a very high goodness of fit between the distances in the
ordination against the original data (linear fit R2 = 0.995, non-metric fit R2 = 0.990). The resulting
ordination (Figure 1b) showed a strong increasing gradient of number of EOCs and concentration
positively related with axis 1 (R2 = 0.94, p < 0.01), while dispersion along axis 2 was better explained
by the presence and concentration of dissolved nitrate (R2 = 0.94, p < 0.01) and phosphate (R2 = 0.21,
p = 0.04), but not DOC (R2 = 0.03, p = 0.62). Environmental fitting onto the ordination showed that
number and concentration of EOCs and macronutrients increased significantly along environmental
gradients of longitude (R2 = 0.56, p < 0.04) and temperature (R2 = 0.26, p = 0.02), and in the lowland
regions of the UK (R2 = 0.58, p < 0.001; Figure 1b).
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After model selection routines, all studied variables were excluded from the N–M relationship
except EOC pollution in the system (Table 2). The AIC model selection approach suggested a certain
improvement of model fitting when adding pH and temperature. However, those variables were also
excluded in favor of a model simply comparing reference and polluted sites. AIC and Akaike weight
indicate a very strong support of the model including the interaction between M and the EOC pollution
(presence/absence of EOCs). This specifies that presence of EOCs in the system strongly determines
the intercept and slope of the N–M relationship model. The fitted N–M relationship model including
information of the comparison between polluted or reference streams also had a high explanatory
capacity (R = 0.67).

Table 2. Comparison of the regression models testing EOC pollution, pH, temperature (Temp),
longitude (Lon), altitude (alt), nitrate (Nit), and phosphate (Phos) on the abundance–body mass (N–M)
relationship (all models include an intercept, which has not been shown for simplicity). Legend: AIC,
Akaike information criterion; LogLik, maximum likelihood estimator; wi, Akaike weight. Candidate
model with the best fit is highlighted in bold.

Response Predictors N AIC ΔAIC LogLik wi

Log 10 (N)

log10(M) × EOCs + pH + Temp + Lon + Lat + Alt +Nit + Phos 12 403.82 9.23 0.01 0.00
log10(M) × EOCs + pH + Temp + Lon + Lat + Alt + Nit 11 402.30 7.70 0.02 0.01
log10(M) × EOCs + pH + Temp + Lon + Lat + Alt 10 402.35 7.75 0.02 0.01
log10(M) × EOCs + pH + Temp + Lon + Lat 9 401.17 6.57 0.04 0.02
log10(M) × EOCs + pH + Temp + Lon 8 399.18 4.59 0.10 0.05
log10(M) × EOCs + pH + Temp 7 397.32 2.72 0.26 0.12
log10(M) × EOCs + pH 6 396.15 1.55 0.46 0.22
log10(M) × EOCs 5 394.60 0.00 1.00 0.47
log10(M) + EOCs 4 397.88 3.28 0.19 0.09
log10(M) 3 401.22 6.62 0.04 0.02

When over more than 10 orders of magnitude in body mass, from flagellates to macroinvertebrates,
abundance declined linearly with body mass with an average N–M slope of −0.37 (95% CI = −0.42,
−0.31). However, N–M relationship coefficients varied significantly between reference and polluted
streams (Table 3). We found that N–M intercepts (as a proxy for community carrying capacity) were
higher and size spectra slopes shallower in polluted compared to reference streams. The difference
in the 95% CI between fitted regression in the reference and polluted streams became visible in the
large size fraction of the N–M relationship, and we attribute this variation to the increase in abundance
of the large-size fractions of organisms in polluted sites (Figure 2) which was chiefly associated with
increases in pollutant-tolerant groups such as Asellidae and Oligochaeta (Figure 2b).

Table 3. Summary table of the fitted abundance–body mass regression (fixed coefficients). Fixed
coefficients (Coef ), standard errors (SE), degrees of freedom (DF), t values, and p values (p) are given.
Significance codes (Sig): 0 (***), 0.01 (*).

Fixed Equation Terms Coef SE t Value p Value Sig

Intercept 2.95 0.12 25.20 > 0.001 ***
Log10 body mass −0.37 0.03 −13.87 > 0.001 ***

Presence/absence of EOCs −0.77 0.24 −3.22 0.001 ***
Log10 body mass * EOC pollution −0.12 0.05 0.05 0.02 *
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Figure 2. (a) Results from the linear regression of log10 total abundance on log10 body mass bin (N–M
relationship) comparing EOC-polluted and reference streams. Each data point denotes the abundance
of a given size class for each sampling unit. The fitted lines represent the average N–M slope for
EOC-polluted and reference streams. (b) Abundance and biological monitoring working party (BMWP)
score of the macroinvertebrate families belonging to the largest size bin across the studied EOC-polluted
and reference streams.

4. Discussion

In this work, we identified a diverse set of EOCs in streambed sediments across a large regional
scale and examined their effect on the size structure of streambed assemblages. We found complex
mixtures of EOCs in two thirds of all studied streams, yet we screened our water samples for only
37 target compounds as a small subset of the possible compounds found in natural systems. More than
70,000 daily-use chemicals are registered in the European Union with the potential to enter surface
and subsurface water systems [5]. Nevertheless, technical limitations on the detection of EOCs make
quantifying and regulating such a variety of chemicals in natural systems unrealistic. Therefore,
centering efforts on analyzing carefully selected target chemicals as markers seems to be a suitable
strategy to assess the degree of EOC pollution at large spatial scales.

Our findings evidence the strong effect that the presence of EOCs has over the organization of
streambed communities, to the point of shielding the effect of other important environmental factors.
Temperature, pH, and productivity are considered major drivers in freshwater ecology and determining
factors of the size structure and metabolic capacity of streambed communities [26,37,38,41,42]. Even so,
both the intercept and size spectra slope of the N–M relationship exhibited higher sensitivity in this
work to EOC pollution than to those environmental variables. Hence, the N–M relationship approach
seems to be an appropriate analytical and integrative statistical tool for testing deviation of natural
communities from a reference status as a consequence of EOC pollution. However, and contrary to our
predictions, N–M relationship coefficients increased under polluted conditions. That is, the intercept
(i.e., the carrying capacity of the community) increased and the size spectrum slope became shallower.
As predicted, the smallest size fractions showed low variation in their abundance when comparing
polluted and reference streams. Thus, this pattern is mainly due to the notably higher abundance of
certain groups of macroinvertebrates that push up the N–M relationship from the extreme of the mean
and largest size fraction. A closer look at the taxa that most influence variation in the N–M relationship
(Figure 2) reveals that they mainly belong to tolerant groups of organisms with medium to very low
biological monitoring working party scores (BMWP) [43].

The size spectra slope of the M–N relationship describes the rate of biomass depletion through
different levels of the food web in freshwater systems, typically becoming shallower as this rate
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increases [25,26]. Consequently, the existence of more abundant tolerant invertebrates in our study
might imply a better transference of biomass and energy between trophic levels and potentially
longer food chains. Considering these predictions, we are particularly concerned that several EOCs
bioaccumulate untransformed in the cells and tissues of aquatic organisms and even biomagnify
through different trophic levels [44–46]. Several of the measured EOCs in our survey study, such as
diclofenac, ibuprofen, carbamazepine, metoprolol, gemfibrozil, oxazepam, tramadol, and venlafaxine
are already known to bioaccumulate in biofilms, invertebrates, and fish in the food webs of stream
ecosystems [45,47,48]. In addition, some of these EOCs in larval tissues can be conserved through
metamorphosis and adults play the role of a biological vector transporting pharmaceuticals to terrestrial
predators [46]. Under our theoretical framework, bioaccumulation is expected to be more acute under
a scenario of EOC pollution and the concomitant population increase of tolerant macroinvertebrates.
In either case, future experimental approaches are needed to test our prediction. Hence, controlled
mesocosm experiments analyzing uptake of EOCs by model organisms and the transference of these
EOCs through trophic levels represent a fruitful strategy to assessing these ecological mechanisms.
Our metrics involve a broad range of body sizes; however, species-specific responses from different
size groups are expected. Therefore, controlled experiments will also shed light on how different
populations of taxa will respond to the presence and concentration of different EOCs.

In addition, from the total set of targeted compounds selected as model EOCs, the artificial
low-calorie sweetener acesulfame was the most widespread chemical and was detected almost
constantly in all polluted streams in our study. This pattern is consistent with previous studies in which
acesulfame has been reported as the most ubiquitous EOC in streambed sediments and groundwater
across Europe [12,30–32,49–51]. Thus, our findings strongly support the use of acesulfame as a marker
of EOC pollution for application in management and regulation of surface and subsurface waters [49].
Acesulfame is an anthropic source-specific compound released to the environment in high quantities
(in quantities of up to 13.8 μg L−1 in this study) and is amenable to rapid and sensitive analysis.
It is sufficiently persistent and hydrophilic enough to penetrate into streambed and groundwater
systems [49]. In fact, combining analysis of acesulfame with that of acetaminophen (an analgesic
pharmaceutical) and sitagliptin (an antihyperglycemic pharmaceutical) allowed us to distinguish
between polluted and reference streams in our study.

In summary, in this work we detected strong variation from reference status when comparing
N–M relationship coefficients between polluted and reference streams. Even though the ecological
mechanisms remain unclear, EOC pollution was associated with an increase in abundance of large-size
tolerant macroinvertebrates. This resulted in less size-structured assemblages under polluted conditions
with direct implications for the structure of the streambed community and potential biomagnification
processes along food webs. With this in mind, future research which characterizes food web
structures (feeding links) and quantifies concentrations of EOCs at different trophic levels would be
particularly instructive.

Supplementary Materials: The following is available online at http://www.mdpi.com/2073-4441/11/12/2610/s1,
Table S1: LC-MS/MS method limits of quantification in μg L–1.
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Abstract: There is increasing evidence that platinum group elements (PGE) are pollutants of emerging
concern worldwide. Limited information exists on levels, particularly in regions where PGEs are
mined. A passive sampling device (i.e., the artificial mussel (AM)) and transplanted indicator
organisms (i.e., the freshwater clam Corbicula fluminalis africana) were deployed along a PGE mining
gradient in the Hex River, South Africa, and concentrations of As, Cd, Co, Cr, Ni, Pb, Pt, V, and Zn
were determined after six weeks of exposure. Results showed differential uptake patterns for Pt, Cr,
and Ni between the AMs and clams indicating availability differences. For monitoring purposes,
a combination of AMs and indicator organisms provides a more holistic assessment of element
exposure in aquatic environments.

Keywords: platinum; bioaccumulation; passive sample; freshwater clam; Corbicula fluminalis africana

1. Introduction

In recent decades, the environmental concentrations of platinum group elements (PGE) have
increased in different environmental matrices worldwide since these precious metals have been used
more often in a number of applications [1]. The biggest contributors to PGEs in the environment are
the use of automotive catalytic converters and the mining activities. Mining activities in South Africa
greatly contribute to PGE emissions in the environment [1]. It is particularly in the platinum mining
regions of the North-West Province of South Africa where PGE and associated metals show increased
levels in the aquatic environment [2,3].

Bioaccumulation is an important process where living organisms take up toxicants at a greater
rate than the rate at which they eliminate these substances [4]. Many factors can influence the
bioaccumulation of metals in the environment such as pH, conductivity, temperature, and salinity,
as well as biotic factors such as age, body size, and reproductive status of the bioaccumulating
organism [4].

It is this process of bioaccumulation that is applied in monitoring studies where organisms such
as bivalves are used as indicators of metal exposure [5]. Traditionally, resident bivalve populations are
used as indicator species (passive biomonitoring) [6]. However, in instances where no resident species
are available, organisms that were collected from an unstressed or otherwise unpolluted population
can be translocated to a selected site to determine its degree of pollution (active biomonitoring) [7].

Suitable transplanted organisms are selected based on biological characteristics, such as tolerance
and abundance. Transplanted organisms facilitate the investigation of areas where native specimens
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are absent or compensatory adaptive mechanisms occur in the native populations from contaminated
areas [8]. For this study, the freshwater clam Corbicula fluminalis africana was selected as a bioindicator
organism. Bivalves are excellent bioindicators because of their sensitivity to contaminants, sedentary
lifestyle, wide geographical distribution, high abundance, high bioaccumulation capacity, and their
sturdiness for both laboratory and field studies [4].

Despite the widespread use of living organisms as indicators of metal bioaccumulation, they also
have disadvantages. The kinetics of metal uptake and elimination by these organisms are sometimes
not well understood [9] and are affected by factors such as temperature, life stage of the organism
(e.g., larval versus adult), size, depth, and reproduction [7]. Different indicator species have different
natural distribution patterns. Therefore, they are not always present in all ecosystems that need to be
monitored to prevent the comparison between different sites [7].

To overcome these disadvantages, passive sampling devices such as the artificial mussel (AM)
have been utilised. The advantages of using AMs for monitoring metals are the provision of
time-integrated estimates of metal concentrations within the aquatic ecosystems, the possibility of
monitoring water bodies with unfavourable conditions for living indicator species, and the avoidance
of killing organisms [10,11]. These devices are not affected by biotic and abiotic factors and, thus, can
be deployed in marine and freshwater ecosystems [12,13].

Several studies included both AMs and transplanted organisms to monitor metal exposure. The
results of these studies indicate that AMs are less affected by salinity and temperature than transplanted
organisms [10,14,15] and that AMs and bivalves accumulate metals at different levels but in a similar
pattern [13,15].

The present study aims to determine if the AM can be used as a tool to determine the biologically
available concentrations of Pt and other elements in freshwater ecosystems. The AM was tested in
a field study alongside an established bivalve bioaccumulation indicator to determine the degree of
similarity in element bioaccumulation. Additionally, the concentrations measured in the AMs and
bivalves were related to the environmental concentrations in the water at each of the study sites.

2. Materials and Methods

2.1. Description of the Study Area and Sampling Sites

The Hex River flows through the city of Rustenburg, which is the most populated municipality in
the North West Province of South Africa. Rustenburg is located on the western limb of the Bushveld
Igneous Complex where the main industrial activity is mining [16]. These mining activities include
mining for platinum and chromium. Along the course of the Hex River, there are impoundments,
which can be affected by mining activities [17].

Olifantsnek Dam is situated to the south of Rustenburg near the origin of the Hex River and is
separated from the mining area by the Magaliesberg Mountain range. It was, therefore, chosen as
the reference site [17]. According to Roux [18], the part of the Hex River that joins with Olifantsnek
Dam is in a good to fair ecological state. The main impacts on this impoundment include water
abstraction and farming activities. The ecological category of this stretch of the river classifies it as
largely natural/moderately modified. Olifantsnek Dam is managed by private owners, where the main
activity is recreation, e.g., fishing and sailing [18].

Bospoort Dam is a small state-owned impoundment situated along the course of the Hex River
in Rustenburg [17]. The land-uses in the catchment include urban developments, intensive mining
activities, and agricultural activities [19]. The water of Bospoort Dam is also used for irrigation and, in
the past, for domestic water supply. However, due to a decrease in the water quality and an increase
in algal blooms that influenced the taste and odor of the water, Bospoort Water Treatment Works
(WTW) ceased to operate [19]. The Bospoort Dam is classified as being in a hypereutrophic state,
where the possible influences include sewage treatment works, agricultural and urban run-offs, as well
as recirculation of nutrients that can be found in the sediments [19]. In 2008, a report was published
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on the water quality of Bospoort Dam stating that the Cd, As, and Pb concentrations in the water
are of concern [19]. The system also shows a high salt content, which is generally indicated by high
conductivity values [19]. Urban surface runoff and mining activities are possible sources of ions that
contributed to the high conductivity in the Bospoort dam, while the possible sources of elevated
metal concentrations include mining activities and runoff from agricultural fields [19]. According to
Roux [18], the Hex River upstream of Bospoort Dam is classified as seriously to critically modified,
whereas the river below the dam is in a moderate to largely modified category.

Two sampling surveys during the low flow periods (dry seasons—May to June) in 2017 and 2018
were undertaken at the selected sites (Figure 1). In the second survey, a third site was added, which
was located in a pollution control dam on the premises of a platinum mine to quantify the release of Pt
and other elements by that mine. At each of these sampling sites, water samples were taken and AMs
and clams were collected after exposure.

 

Figure 1. Map of the Hex River System in Rustenburg, North West Province, South Africa indicating
the position of the sampling sites.

2.2. Passive Sampling Device—Artificial Mussel

The artificial mussel design was adapted for use in freshwater from the original design developed
for marine environments by Wu, Lau, Fung, Ko, and Leung [10]. The artificial mussel consists
of a Perspex tubing, containing 200 mg Chelex beads suspended in ultrapure water inside a 1 cm
Perspex spacer (Figure 2). These components are enclosed between two polyacrylamide gel layers that
consist of acrylamide (Acrylamide for electrophoresis, ≥99% (HPLC) powder, Sigma, Germany), N,N
methylenebis-acrylamide (BioReagent, suitable for electrophoresis, 99%, Sigma, Germany), ammonium
peroxidisulfate (Reagent grade, 98%, Sigma, Germany), and N,N,N’,N′-Tetramethylethylenediamine
(BioReagent, for molecular biology, ≥99% (GC), Sigma, Germany) [20].
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Figure 2. The artificial mussel design (Wu et al., 2007).

Once the AMs were assembled, the devices were placed in containers filled with ultrapure water
and stored in the laboratory until being deployed. For the transportation of the AMs to the field, the
devices were removed from the water and both ends of the tube were plugged with cotton soaked in
ultrapure water. This prevents any damage that may occur during transportation. One set of 10 AMs
was kept in the laboratory to serve as a non-exposed control.

2.3. Corbicula Fluminalis Africana

In addition to the deployment of the AM, an established bioaccumulation indicator species was
concomitantly deployed. Freshwater clams, Corbicula fluminalis africana, with an average shell length
of 28 ± 5 mm were collected from the Mooi River, Potchefstroom, South Africa. The clams were
transported to the laboratory, where they were kept in reconstituted freshwater for mussels [21] for a
depuration period of two weeks. During laboratory maintenance, the clams were fed with Spirulina
cultured in the laboratory at the North-West University. Water was changed regularly throughout
the two-week depuration period. For active biomonitoring, the clams were transported to the field in
plastic containers filled with reconstituted freshwater and supplied with oxygen using a portable pump.
A control group of clams was prepared for metal analyses to determine the initial concentrations before
the clams were deployed at the sampling sites.

2.4. Deployment of the Artificial Mussels and Clams

The AMs and clams were deployed at each sampling site in two plastic baskets (Figure 3). Each
basket was fitted with a mesh bag in the bottom of the basket. In addition, a mesh covered the top
of the basket. Once arriving at the site, the mesh bags were filled with sediment from that site. This
was done to create a natural habitat for the clams for the exposure period. Thereafter, 10 clams were
transferred to each basket. In total, 20 transplanted clams were deployed at each site. After transferring
the clams, the mesh bags were closed to prevent the organisms from escaping. The top half of each
basket was then used to attach the AMs. Fifteen AMs were deployed at each site by fastening them to
the side of the plastic baskets with cable ties. The baskets were covered with mesh to prevent objects
from damaging the AMs during the survey. Once the AMs and transplanted clams were secured, the
baskets were tied together with rope and cable ties and secured to a weight. The weights ensured the
submersion of the baskets within the water body. The baskets were secured to buoys and permanent
structures within the impoundments and the pollution control dam on the mine site.
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Figure 3. Steps taken to assemble the plastic baskets for the artificial mussels and transplanted clams.
(A) Storage of artificial mussels before deployment. (B) Plastic baskets in which the artificial mussels
and transplanted clams were deployed. (C) The AMs were secured to the plastic basket with cable ties.
(D) Sediment from each site was placed in a mesh bag in the bottom of the basket for the transplanted
clams. (E,F) Two baskets were deployed at each site. These baskets were secured together with rope
and cable ties before submerging them in the water.

2.5. Retrieval of Artificial Mussels and Clams

Each batch of AMs and transplanted clams were retrieved after six weeks of exposure. Each AM
was then rinsed with water from the site to remove any silt or algae that might have accumulated at
the surface during the exposure period [20]. Cotton pads were soaked in water from the site, and
placed in both ends of the AM to form a plug. This ensured that the gel would not get damaged during
transportation in order to prevent the water and Chelex beads from seeping from the AM. At the
laboratory, the containers with the AMs were placed at room temperature until further analysis.

The transplanted clams were retrieved at the same time as the AMs. These organisms were
removed from the mesh bags and placed in containers that were fitted with an oxygen pump and
water from the site. They were transported back to the laboratory and were killed by deep-freezing
after they were measured and weighed. For each sampling site, soft tissues were dissected from the
shells, placed in acid pre-washed polypropylene tubes, and frozen at −4 ◦C until further preparation.
The clam tissue samples were freeze-dried before elemental analysis.

2.6. Water Quality Parameters and Sample Collection

In situ water quality parameters, i.e., pH, electrical conductivity (EC), total dissolved solids (TDS),
temperature, and dissolved oxygen (DO) concentrations, were determined at each sampling site at the
day of deployment as well as at the day of retrieval of the AMs and clams. At the same time, three
water samples were collected at each site. The sampling procedure was as follows: 10 mL water was
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taken and acidified with 10 μL HNO3 (sub-boiled from 65%; p.a. quality, Merck, Darmstadt, Germany)
and stored in polypropylene tubes at room temperature until elemental analysis.

2.7. Element Analysis

For elemental analysis, the content of each control (n = 10) and field-deployed (n = 15) AM was
emptied into a 15-mL polypropylene tube. After centrifugation (2 min at 1000× g), the supernatant was
removed and the beads were rinsed with 5 mL of ultrapure water. The supernatant was removed and
the beads were eluted with a mixture of 4.5 mL 6 M HNO3 (sub-boiled from 65%, Merck, Darmstadt,
Germany) and 0.5 mL HCl (37%, suprapure, Merck, Darmstadt, Germany) for approximately 2 hours
to ensure that all bound elements were released from the beads. After centrifugation, the supernatant
was removed and placed in polypropylene tubes at room temperature for further analysis.

For digestion of the freeze-dried clam soft tissue, five replicate samples of at least 60 mg (dry
weight) were weighed into 20-mL TFM® vessels (MarsXpress, CEM, Kamp-Lintfort, Germany). The
digestion was carried out in a microwave digestion system (CEM, Mars 6) with a mixture of 2.5 mL
H2O2 (30%, Suprapur®, Merck, Darmstadt, Germany) and 1.3 mL HNO3 (sub-boiled from 65%, p.a.
quality, Merck, Darmstadt, Germany), according to Zimmermann et al. [22]. The clear digest solutions
were then transferred to 5-mL glass flasks and brought to volume with 1% HNO3. The digested
solutions were stored at room temperature in polypropylene tubes until elemental detection.

Concentrations of As, Cd, Co, Ni, Pb, Pt, V, and Zn in the water samples, AMs, and clam
tissue samples were determined using a quadrupole Inductively Coupled Plasma Mass Spectrometry
(ICP-MS) system (Elan 6000, Perkin Elmer, Rodgau, Germany) equipped with an autosampler system
(AS-90, Perkin Elmer, Rodgau, Germany). Cr concentrations were analyzed by atomic absorption
spectrometry (AAS) as described by Erasmus et al. [3]. Hafnium oxide interference rates on Pt-194
were below 2%. Therefore, no Hf correction was performed. For the ICP-MS analysis, the wash time
was set to 30 s with 2% HNO3 to avoid contamination. After every 10 samples, a standard solution
(10 μg/L), for all elements measured, was used to control the accuracy and stability of the measurements.
Before measuring, samples were diluted 1:10 with an internal standard solution, which consisted of 1%
HNO3 and 10 μg/L thulium and yttrium (Certipur®, Merck, Darmstadt, Germany). Calibration of
the instrument was performed using a series of 11 dilutions of the standard solution. With this, the
concentrations of the sample analytes were calculated using regression lines with a correlation factor
of ≥0.999. Detection limits were calculated as three times the standard deviation of the concentrations
in 10 analytical blanks (Table 1).

Table 1. Detection limits for metal concentrations analyzed in water, artificial mussels, and
transplanted clams.

Metal Analysed
Detection Limit for

Water (μg/L)
Detection Limit for

Artificial Mussels (μg/g)
Detection Limit for

Transplanted Clams (μg/g)

As 0.203 0.0056 0.0169
Cd 0.022 0.0004 0.0018
Co 0.112 0.003 0.0099
Cr 0.151 0.039 0.130
Ni 0.463 0.011 0.0386
Pb 0.0237 0.0003 0.0020
Pt 0.0107 0.00015 0.0009
V 0.96 0.025 0.0798

Zn 17.7 0.053 1.48

The AM data was converted to μg/g units by referring the total eluted analyte mass (in μg) to the
mass of Chelex beads (200 mg) in an AM. Thus, the AM data of the present study is comparable with
the concentrations measured in the transplanted clams and other studies [20,23].
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2.8. Statistical Analysis

Normal distribution of data was checked using the Kolmogorov-Smirnov test with a
Dallal-Wilkinson-Lilliefor P-value. For element analyses in water samples of different sites, two-way
ANOVAs were performed, which were followed by Tukey’s multiple comparison test. For element
analyses of both the AMs and transplanted clams, the data were log-transformed to compare all data
sets since not all data passed normality. For statistical analyses, all samples that were below the
detection limit were set to the detection limit divided by two [24]. A two-way ANOVA was performed
to determine significant differences between surveys and sites for the AMs and transplanted clams.
Thereafter, Tukey’s multi-comparisons test was performed. Statistical significance was set at p < 0.05
for all comparisons. Principal component analyses (PCA) were conducted using Canoco 5 showing
the grouping of AMs and transplanted clams based on the similarity of element concentrations at the
different sites and surveys.

3. Results

The water quality parameters, i.e., pH, electrical conductivity (EC), total dissolved solids (TDS),
temperature (Temp), and dissolved oxygen (DO) concentrations showed differences between sampling
sites and survey years, respectively (Table 2). The temperature for the first survey was cooler than
during the second survey, which influences the DO concentrations. During the second survey, the
DO concentration was less than during the first survey. In both surveys, the Bospoort Dam had lower
DO concentrations than the Olifantsnek Dam. The EC and TDS values differed significantly between
the three sites. Bospoort Dam had significantly higher EC and TDS values than Olifantsnek Dam,
whereas the pollution control dam showed the highest values. The pH was relatively stable throughout
both surveys.

Table 2. Water quality parameters were measured at each site during the first survey (2017) and
the second survey (2018). The results are the average of parameters measured during a survey. For
abbreviations, see text.

Site pH Temp (◦C) EC (μS/cm) TDS (mg/L) DO (mg/L) DO (%)

Survey 2017

Olifantsnek Dam 8.21 19.3 173.8 119.8 10.12 103.3
Bospoort Dam 8.46 19.45 910.5 570 9.69 81.4

Survey 2018

Olifantsnek Dam 8.20 24.3 210 147 5.5 62.1
Bospoort Dam 7.65 28.3 1160 819 2.94 34.3

Pollution control
dam 8.00 25.6 1775 1244 - -

The concentrations of the different elements in the water of the three sampling sites showed
different patterns (Figures 4–6, left). The element concentrations in the water of the two impoundments,
Olifantsnek Dam and Bospoort Dam, revealed no significant differences in a specific survey except for
Ni in the first survey, where the water of Bospoort Dam contained significantly higher concentrations.
However, in the second survey, the water of the pollution control dam contained significantly higher
As, Co, Ni, V, and Zn concentrations than the other impoundments and significantly higher Cr and Pt
concentrations when compared to only the Bospoort Dam.
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Figure 4. Arsenic (A,B), cadmium (C,D), and cobalt (E,F) concentrations (mean ± SEM) in water (left),
artificial mussels (AM) and transplanted clams (TM) (right) during the two surveys in 2017 and 2018.
Concentrations are presented in μg/L for water (n = 3), μg/g Chelex for the AMs (n = 15), and μg/g dry
weight for transplanted clams (n = 5). Within a survey period, bars with a common letter superscript
represent significant differences between different sites for the particular indicator group. Between
surveys, an asterisk (*) indicates a significant temporal difference between the specific indicator at the
particular site. Significance was regarded as p < 0.05. BDL = below detection limit.
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Figure 5. Chromium (A,B), nickel (C,D), and lead (E,F) concentrations (mean ± SEM) in water (left),
and artificial mussels (AM) and transplanted clams (TM) (right) during the two surveys in 2017 and
2018. Concentrations are presented in μg/L for water (n = 3), μg/g Chelex for the AMs (n = 15), and
μg/g dry weight for transplanted clams (n = 5). Within a survey, period bars with a common letter
superscript represent significant differences between different sites for the particular indicator group.
Between surveys, an asterisk (*) indicates a significant temporal difference between the specific indicator
at the particular site. Significance was regarded as p < 0.05. BDL = below detection limit.
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Figure 6. Platinum (A,B), vanadium (C,D), and zinc (E,F) concentrations (mean ± SEM) in water (left),
and artificial mussels (AM) and transplanted clams (TM) (right) during the two surveys in 2017 and
2018. Concentrations are presented in μg/L for water (n = 3), μg/g Chelex for the AMs (n = 15), and μg/g
dry weight for transplanted clams (n = 5). Within a survey, period bars with common letter superscript
represent significant differences between different sites for the particular indicator group. Between
surveys, an asterisk (*) indicates a significant temporal difference between the specific indicator at the
particular site. Significance was regarded as p < 0.05. BDL = below detection limit.

Concentrations measured in the control AMs were below detection limits (Table 1) for all
elements. Therefore, the element concentrations measured in the field-deployed AMs are attributed to
accumulation from the ambient environment during the exposure period. In the first survey, the Co
and Ni concentrations of the AMs from Bospoort Dam were significantly higher when compared to the
Olifantsnek Dam. In the second survey, the AMs of the Olifantsnek Dam contained significantly higher
Cr, Ni, and Pb concentrations, but significantly lower V concentrations when compared to Bospoort
Dam. The AMs from the pollution control dam in the second survey contained similar As, Cd, and Pt
concentrations, but significantly lower Co, Ni, and Zn concentrations when compared to the other
impoundments. There were significant differences in the Cr concentrations of the AMs decreasing in
the following order: pollution control dam > Olifantsnek Dam > Bospoort Dam.
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The element concentrations in the transplanted clams showed a heterogeneous picture (Figures 4–6,
right). The concentrations of Cd, Pb, Pt, and Zn in the transplanted clams of all three sampling sites
and both surveys did not exceed the respective concentrations of the controls. Significantly higher
concentrations occurred only for As and Ni (survey 2017), when compared to the control, as well as for
Cr and V (survey 2018) in the clams of Olifantsnek Dam. However, for some elements, the transplanted
clams contained lower concentrations as compared to the control, as seen for Cd and Zn (survey 2018)
in both impoundments as well as for Pb (both surveys) and V (survey 2017) in Bospoort Dam. The Pt
concentrations in all of the clams were below the detection limit. Unfortunately, no comparison can be
made between the transplanted clams of the impoundments and the pollution control dam since all of
the organisms died during the exposure period.

Thus, the AMs and transplanted clams accumulated different elements from the two
impoundments, including Olifantsnek Dam and Bospoort Dam, in different patterns. This can
be seen by the clear dissimilarity between the AMs and transplanted clams on the PCA (Figure 7). The
AMs correlate strongly with Pb and V, while the transplanted clams correlate with Cd, Cr, Co, Zn, and
As. The groupings of element accumulation in the AMs indicated site-specific and survey-specific
patterns, while the temporal and spatial groups were less clear for the clams.

Figure 7. Principal component analysis (PCA) showing the grouping of AMs and transplanted clams
based on the similarity of element bioaccumulation at the different sites and surveys. The ordination
explains 93.7% of the total variation in the data with 79.5% on axis 1 and 14.2% on axis 2.

The PCA also indicated some groupings and correlations within the AMs (Figure 8). The AMs
from the Olifantsnek Dam in 2017 and the pollution control dam in 2018 correlated strongly with
Cd, while there was a strong correlation of the AMs with Pb and Pt in both impoundments in 2017.
Olifantsnek Dam correlated with As, Co, and Ni, Bospoort Dam correlated with V, and the pollution
control dam correlated with Cd in 2018. The grouping of the AMs of the three impoundments of the
survey in 2018 indicated spatial differences.
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Figure 8. PCA illustrating the grouping of AMs within the three impoundments during the two surveys
based on the similarity of metal bioaccumulation at the different sites and surveys. The ordination
explains 98.9% of the total variation in the data with 97.3% on axis 1 and 1.6% on axis 2.

Within the transplanted clams, the PCA revealed groupings and correlations, which were different
from the AM results (Figure 9). The bioaccumulation patterns of the clams from the Olifantsnek
Dam in 2017 were distinctly different from all other clams and correlated strongly with As, Cr, and
V. Additionally, the clams from Bospoort Dam correlated strongly with Ni. Furthermore, the control
clams in 2018 showed a strong correlation with Cd, Pb, and Zn.
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Figure 9. PCA illustrating the grouping of transplanted clams within the two impoundments during
the two surveys based on the similarity of metal bioaccumulation at the different sites and surveys.
The ordination explains 98.5% of the total variation in the data with 95.7% on axis 1 and 2.8% on axis 2.

4. Discussion

Point and diffuse source pollution from mining and production activities are recognized as an
important source of contamination in the environment [16]. Platinum group elements are mined from
primary deposits where they are associated with other elements such as Cu and Ni [16]. Elevated
concentrations of PGE and other mining-associated elements have been reported in the vicinity of
mining areas [2]. Analyses of road dust samples from four highly populated cities in South Africa
demonstrated that Rustenburg had the most elevated Pt concentrations associated with mining and
production activities [16]. The Hex River, which flows through Rustenburg, drains one of the most
important mining areas in the western limb of the Bushveld Igneous Complex [2]. Rustenburg is
located in a large basin, which forms part of the Bushveld Igneous Complex, where the ore mainly
consists of PGEs. In addition to the PGEs and chromite, the ore contains deposits of gold and sulphides
of nickel, copper, and iron [17].

4.1. Metals in Water

Olifantsnek Dam is geographically separated from the mining area in Rustenburg, while the
Bospoort Dam is located in the vicinity of many informal settlements as well as many of the mines
found in this area [17]. The element concentrations in the water showed that Bospoort Dam was
slightly more polluted than the Olifantsnek Dam. The Hex River flows in a northerly direction through
all the industrial and mining areas [2]. Consequently, wastes from these activities, which is discharged
into the environment, will end up in the Hex River, where Bospoort Dam acts as a sink by accumulating
the discharged elements. Since both of these impoundments are located in an area that contains
geologically-rich deposits, it is assumed that some elements will occur naturally in high concentrations
in both impoundments [2,25].

According to the weather data of the Rustenburg region, there was almost no rain during the first
survey [26]. This resulted in very low flow to no flow in the river between the two impoundments
during the first survey. The rainfall and ensuing run-off were much greater and more variable
during the second survey in 2018. This is also reflected in the far greater variation in physic-chemical
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parameters. This is supported by Prathumratana et al. [27] who showed that rainfall and associated
run-off influences variations in site-specific water quality.

The increase in element concentrations measured in Bospoort Dam compared to Olifantsnek Dam
can be linked to a local point source located along the course of the Hex River and not from run-off from
the greater catchment. Bospoort Dam contained slightly higher Cd, Co, and Ni concentrations than the
Olifantsnek Dam. In general, element concentrations in the water of the Bospoort Dam were higher
when compared to the Olifantsnek Dam. The significant difference in metal concentrations from the
two impoundments at the end of the first survey can be attributed to the change in season, where there
was almost no rainfall during this period. During this period, metal concentrations within the water
became more concentrated due to low inflow and outflow of the impoundment and water evaporation.

The water data indicated that almost all of the analysed elements were present in concentrations
below South Africa’s target water quality range (see supplement data Table S2), for both aquatic
ecosystems and domestic use [28,29]. However, the Zn concentrations in the pollution control dam were
above the Target Water Quality Range (TWQR) (2 μg/L) for aquatic ecosystems. The concentrations
found in the pollution control dam were above the acute effect value (36 μg/L) [29].

The pollution control dam from the mine contained significantly higher As, Co, Cr, Ni, Pt, V, and
Zn concentrations than the other two impoundments. Pollution control dams are generally constructed
to collect the sludge containing the residues rejected from the ore, to allow solids to settle and to
let the liquid phase evaporate [17]. The main environmental risk of such pollution control dams
is the possibility that the wall of the dam comes apart and the sludge flows over the mining areas,
farmlands, and roads and into aquatic ecosystems [17]. Furthermore, the pollution control dam can
be overflown during heavy rain so that over-spilling water containing soluble contaminants and
re-mobilized particles can enter the nearby aquatic system. Therefore, it is important to control the
element concentrations within these dams. The pollution control dam of the present study is located
near the river, which facilitates an entry of contaminants into the Hex River system.

South Africa is a mineral resource-rich region and, consequently, metal and metalloid
concentrations are elevated in rivers that drain through mining regions. The Olifants River is
generally regarded as the most metal-enriched system in South Africa. Studies by Gerber et al.
recorded average concentrations of 0.75 μg/L As, 7.41 μg/L Cd, 5.26 μg/L Co, 4.24 μg/L Cr, 1.43 μg/L
Ni, 4.74 μg/L Pb, and 2.68 μg/L Zn [30]. In this case, Cd concentrations were orders of magnitude
higher than the values in the present study. Additionally, the highest Cr concentrations measured in
the Olifants River were approximately double than those measured in the Olifantsnek Dam and the
Bospoort Dam. However, the Ni concentrations were 3, 13, and 35 times higher in the Olifantsnek Dam,
the Bospoort Dam, and the pollution control dam, respectively. In addition, the Zn concentrations in
the water of the pollution control dam of the present study were 14 times higher than in the study by
Gerber et al. [30].

For the water of the Marico River system, which is one of the least impacted systems in a mining
region in South Africa [31], levels of 0.858 ± 0.1912 μg/L As, <0.0001 μg/L Cd, 0.693 ± 0.056 μg/L
Co, 5.9 ± 0.154 μg/L Cr, 7.158 ± 0.586 μg/L Ni, 0.009 ± 0.007 μg/L Pb, and 2.275 ± 1.33 μg/L Zn were
reported. The aqueous As concentrations in the Olifantsnek Dam and the Bospoort Dam were similar.
The Co concentration was even lower when compared to the Marico River. The pollution control
dam, however, contained 2-times and 4-times the concentrations of As and Co, respectively, which
was found within the Marico River. However, the As, Co, Ni, and Zn concentrations in the water
of the pollution control dam significantly exceeded the respective concentrations in the two other
impoundments as well as in the Marico River system, which indicated that these elements were derived
from the nearby mines. In contrast, although the mining activities near Rustenburg include Cr mining,
the Cr concentrations within the impoundments and the pollution control dam were lower than those
found in the Marico River. A different picture shows the aqueous Cd and Pb concentrations, which
were higher at all three sites of the present study. Higher Cd and Pb concentrations observed upstream
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of the mining and other human activities may be the result of the geogenic input from the natural
geology [2].

In recent decades, the demand and consumption of platinum group elements, especially in the
automobile catalytic converter production, has continuously increased, which resulted in increasing
anthropogenic emissions of these metals worldwide [32]. In general, the water solubility of PGE from
road dust as well as their biological availability decreased in the order Pd > Pt > Rh [32,33]. Studies
on Pt concentrations in the water of rivers without a PGE mining impact recorded levels between
0.006–2.6 ng/L [34–37]. In the present study, the concentrations found within the two impoundments
were considerably higher and ranged between 41.5–76.2 ng/L. The water of the pollution control dam
contained Pt concentrations (145 ng/L), which were three times higher than the highest concentration
found in the two impoundments. This clearly indicates the entry of Pt from the mining activities into
the aquatic ecosystem.

4.2. Transplanted Organisms

In the present study, C. fluminalis africana was used for active monitoring of metal and metalloid
contaminations. Significantly higher concentrations when compared to the control occurred only
for As, Cr, Ni, and V, but not for all sampling sites and surveys, respectively. The pre-exposure of
the transplanted organisms from a presumed non-contaminated reference site could have resulted
in high background levels so that additional bioaccumulation due to the active biomonitoring is not
detectable or depressed. In a study by Ruchter and Sures, Corbicula sp. were analysed to determine
the influence of road runoff near Karlsruhe, Germany [38]. Reference Corbicula sp. were analysed to
determine background levels of Cd, Cr, Ni, Pb, Pt, and Zn in the organisms before the inlet [38]. These
concentrations were much lower than the concentrations measured in the control group in this study
except Pb. They were able to detect Pt concentrations. Furthermore, the effects of upswelling and the
change in habitat of the transplanted clams can affect the outcome of active biomonitoring studies [7].
The transplanted clams contained higher As, Cd, Co, Cr, and Zn concentrations. The Olifantsnek Dam
in 2017 was the only group that was distinctly different.

In studies that make use of transplanted organisms, it is difficult to compare the results to data
found in the literature. Nevertheless, when comparing the bioaccumulation by the clams with aquatic
snails that were transplanted to a gold mining area [13], both transplanted organisms show similar
Co concentrations. However, the As, Cr, Ni, V, and Zn concentrations of the clams were lower when
compared with the snails, while the Cd and Pb concentrations were much higher [13].

The higher water temperatures recorded in Bospoort Dam may have resulted in the metabolism
of the transplanted clams being higher than in the Olifantsnek Dam since increased temperature and
the subsequent metabolism results in aquatic organisms accumulating more metals [39].

When PGEs from road dust accumulated in the soft tissue of bivalves, e.g., Dreissena polymorpha,
the bioaccumulation of metals decreased in the following order: Cu > Cd > Ag > Pd > Pb > Sb > Fe
> Pt > Rh [33]. Platinum concentrations in bivalves sampled from different freshwater ecosystems
ranged between 0.00001–0.0013 μg/g [33,38,40], whereas the Pt levels of the transplanted clams from
the present study were all under the detection limit of 0.0009 μg/g.

The bioaccumulation in the transplanted clams did not correlate with the exposure concentration
in the water column. Claassens et al. [13] made use of transplanted organisms at different localities
within the Koekemoer Spruit, South Africa, and found no correlation between the concentrations in the
transplanted organisms and the ambient water. This may be explained by the fact that the indicator
organisms integrate the pollutants over the whole exposure period, while water samples only indicate
the exposure concentration at the time of sampling. Many factors can influence the bioaccumulation of
metals in field studies, i.e., among others’ seasonality, the bioavailability of metals, and toxicokinetic
processes in the indicator organism [41]. Bivalves are filter feeders. Therefore, both the dissolved metal
fraction and the particle-bound metals play a crucial role in the metal bioaccumulation.
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4.3. Artificial Mussels

The present study reported the uptake of Pt in AMs for the first time. Although the AMs are only
able to take up dissolved metals, the availability of Pt could only be shown by the use of the AMs and
not by the transplanted clams, where the Pt levels were below the detection limit.

Artificial mussels have successfully been used as monitoring tools for metal bioaccumulation
in the aquatic environment [11,13,20,23,42]. Many of these studies endorse the use of AMs during
biomonitoring studies since they are not affected by water quality conditions that would greatly effect
a bioindicator. Artificial mussels that were used for monitoring aquatic systems in a gold mining
region [13] accumulated higher concentrations of Cr, Co, Cd, Pb, V, and Zn than in the present study.
In contrast, AMs exposed to potentially less impacted sites along the Nyl River, Limpopo, South
Africa [20] contained either similar or higher element concentrations when compared to this study.

The element concentrations in the water indicated that Bospoort Dam contained higher
concentrations than those found in the Olifantsnek Dam. During the first survey, the AMs in
the two impoundments had similar concentrations, while, in the second survey, there were some
significant differences between the sampling sites. However, these results (AMs) did not indicate a
specific site has higher concentrations. Other field studies using AMs also show variations in data.

The AMs contained higher Pb and V concentrations when compared to the transplanted clams.
The element accumulation in the AMs indicated site-specific and survey-specific patterns.

4.4. Comparison of Artificial Mussels and Transplanted Clams

For almost all of the elements, in the present study, the transplanted clams contained significantly
higher concentrations than the AMs. According to Wu et al. [10], the AM and any bioindicator species
bioaccumulate different metal fractions during field exposures. Due to the assembly of the AM, large
molecules and particle-bound metals are not able to cross the polyacrylamide gel barrier, which acts as
a surrogate on the double lipid layer of a cell membrane. However, metals and metalloids occur in the
environment in different complexes or may be attached to particles. Many factors can influence their
speciation. In contrast to AMs, the transplanted clams can ingest different metals and metalloids from
the food that is available within the environment and living organisms can regulate their concentrations
by toxicokinetic processes [10]. The characteristics of the permeability of the AM and the binding
capacity of the Chelex beads can also have an influence [10,23]. A combination of all of these factors
may explain the differences in the accumulation capacity between AM and TM.

The partitioning (dissolve vs. particulate bound) and speciation of metals are dependent on
several chemical and physical properties, such as pH, temperature, and the presence of ligands and
particulates [43]. Morquecho and Pitt [43] filtered several stormwater samples to determine the
colloidal bound metals, metals bound to ligands, and the ionic/dissolved fraction. After adding Chelex
beads to the filtered samples, they found that the ionic form of the metals had bound to the beads,
while the particle-bound metals remained in the solution. More than 90%, 80%, 80%, and 30% of
the filtered Zn, Cr, Pb, and Cd were in an ionic form, respectively [43]. These percentages reflect the
amount of each metal that was bound to the Chelex beads during the filtering process. Therefore,
in the present study, the elements being accumulated by the AMs belong to the dissolved fraction,
whereas the TMs accumulated the dissolved and particulate bound fraction. This may explain the
different accumulation patterns for the AMs and TMs.

Claassens et al. [13] found that the AMs accumulated higher concentrations of Cd, Pb, V, and Zn
than the transplanted organisms. This is partly in accordance with the present study showing that
the AMs accumulated higher concentrations of Pb, Pt, and V. However, a direct comparison of the
concentrations in the AM and TM is problematic since, for the AMs, the concentrations were calculated
by dividing the total mass of the element that has bound to the Chelex beads by the mass (200 mg) of
the Chelex beads. Assuming that not all binding sites of the Chelex beads were saturated, a lower
mass of Chelex beads would have resulted in the same amount of metal uptake but a higher calculated
concentration in the AM. Thus, it should be considered in future studies that the total mass is a more
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reliable measure for the uptake by the AM than the concentration. However, as in all studies on AMs
published so far, 200 mg of Chelex beads were used since a comparison between these studies is
possible by using the concentrations.

Other studies demonstrated that AMs and transplanted organisms accumulate metals in similar
patterns but at different concentrations [13,23]. In contrast, in the present study, the accumulation
patterns of the AMs indicated significant accumulation when compared to the initial concentrations,
whereas, for the transplanted clams for most elements, no clear bioaccumulation was found during the
biomonitoring period. Thus, since the AMs have low initial background levels, they can indicate the
bioaccumulation of low element concentrations in biomonitoring studies.

During the second survey, over six weeks, there was a massive water hyacinth (Eichhornia
crassipes) bloom that occurred in the Bospoort Dam. These water plants covered more than 50% of
the impoundment at the end of the exposure period. The water hyacinth can accumulate high levels
of metals from solutions such as Cd, Co, Cr, Cu, Ni, Pb, V, and Zn [44,45] and the PGEs Pt, Pd, Os,
Ru, Ir, and Rh [42]. When considering the biomass of the water hyacinth in the dam, the plants likely
had reduced the metal concentrations in the water. This may explain why the concentrations in the
water of Bospoort Dam were not significantly different from those found in the Olifantsnek Dam
during the second survey whereas the concentrations during the first survey were much higher in the
Bospoort Dam.

During the second survey, transplanted clams and AMs were deployed in the pollution control
dam on the mine ground, but none of the transplanted clams survived. It is presumed that the
transplanted clams died due to a layer of oil on the water surface and decreasing water levels than
due to very high metal concentrations. This shows the practicability of the AMs in ecosystems where
adverse environmental conditions affect the survival of living organisms. However, it is possible that
the oil layer obstructed the metals from diffusing through the gel layers. The metal and metalloid
concentrations within the water from the pollution control dam were significantly higher than the
impoundments. However, the AMs did not indicate this difference.

5. Conclusions

Different bioindicator species have different accumulation strategies. They are affected by many
factors within the environment and can regulate internal metal concentrations through physiological
processes [13,15]. The difference between the results of the AMs and the transplanted clams should
not be seen as a shortcoming and was expected based on results from previous studies. The present
study demonstrated that the transplanted clams and AMs accumulated different metals at different
concentrations, which could be attributed to the accumulation of metals in different forms (dissolved
or particle-bound) showing different biological availabilities. The AMs and transplanted clams
accumulated similar As concentrations, while the AMs preferentially accumulated Pb, Ni, Pt, and V.
The AMs are a promising tool for metals and metalloids occurring at low environmental concentrations
close to the analytical detection limit and when organisms for the transplantation during active
biomonitoring approaches already show high background levels. Metals can be found in various forms
within the aquatic environment. The semi-permeable membrane of the AM permits the bioavailable
metal ions to pass through and bind to the Chelex beads. Some metal ions have a stronger binding
affinity toward the Chelex beads, where these ions may compete for binding sites within the AMs. For
that reason, it is possible that some metals can be more abundant in the environment but the AMs
will not be able to indicate these concentrations due to competition by other metals. Nonetheless, in
this study, it was shown that the AM successfully accumulated Pt and all the other metals that were
studied. Traditional bioindicator bivalves were more successful in indicating exposure to metals such
as Cd, Co, Cr, and Zn. Thus, the combination of AMs and living bioaccumulation indicator organisms
will provide a holistic assessment of metal and metalloid exposure in aquatic environments.

115



Water 2020, 12, 32

Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4441/12/1/32/s1.
Table S1: Metal concentrations measured in the transplanted clams (TM), artificial mussels (AM), and water from
two surveys conducted in Bospoort Dam, Olifantsnek Dam, and the pollution control dam. The control refers to
concentrations in reference clams that were maintained in the laboratory. Concentrations are presented in μg/g
dry mass for transplanted clams, μg/g Chelex for the AMs, and water concentrations in μg/L (mean ± SEM, ND =
below detection limit, the * indicates significant difference from the control group in a specific survey). Table S2:
Target water quality ranges for domestic use and aquatic ecosystems as set by the Department of Water Affairs
and Forestry.
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Abstract: The mentum deformity incidence in Chironomus plumosus larvae to assess the environmental
contamination level in Lake Trasimeno, Central Italy, was investigated. The survey lasted from May
2018 to August 2019. Fifty-one samplings were carried out: 34 in the littoral zone and 17 in the central
zone. The deformity assessment was based on 737 and 2767 larval specimens of C. plumosus collected
from the littoral and central zones, respectively. Comparison of the larval morphometric variables
between normal and deformed specimens highlighted that the deformities did not cause alterations of
the larval growth. The deformity incidence amounted to 7.22% in the whole Trasimeno’s ecosystem,
reaching 8.28% in the littoral zone and 6.94% in the central zone. Among the different seasonal
cohorts, the spring cohort had overall the highest deformity value (11.41%). The deformity type
assessment protocol highlighted that the most common deformity type was “round/filed teeth” (64%).
The results of this 2018–2019 survey revealed a low deformity incidence, within the background range
of relatively low-impacted freshwaters. Comparison with previous investigations (2000–2010) of the
same habitat showed a clear decrease of the deformity incidence. This study further contributes to
the evaluation of the mentum deformity in chironomids that represent an indicator endpoint of the
anthropogenic contamination level in freshwaters.

Keywords: Chironomidae; Chironomus plumosus larvae; mentum deformities; freshwater
contamination; Lake Trasimeno

1. Introduction

Anthropic activities continuously add urban, industrial, and agricultural wastes into the
environment. Common and widespread groups of pollutants, such as heavy metals, pesticides,
polycyclic aromatic hydrocarbons, and polychlorinated biphenyls are dispersed into the environment
forming a complex mixture whose toxic effects are difficult to quantify [1–3].

Normally, the set of contaminants contributing to the total toxic burden is not well known and,
even when the exact composition is known, it is difficult to interpret the estimate of potential effects of
simple additivity or synergism or antagonism [4]. In fact, the measurement of concentrations of toxic
elements or compounds in the environment does not imply knowledge of the resulting toxicity of their
mixture on the biota [5]. Furthermore, the peculiar trophic network of living organisms [6] determines
bioaccumulation and biomagnification processes of contaminants [7–9].
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For an evaluation of the anthropogenic contamination in a given territory, the biological monitoring
of freshwaters seems to be the most appropriate strategy. The rains draining the atmosphere and the
soil carry pollutants into the water receptor of the underlying hydrographic basin [10,11].

Among aquatic organisms, benthic macroinvertebrates inhabiting the surficial layer of the bottom
sediments in inland waters are valid biological indicators because they are subject to the resulting
action of pollutants and thus respond to many ecological stressors [12–16]. Aquatic Diptera typically
represent the predominant component of the benthic biocoenosis, and among them chironomids
(Chironomidae: Diptera) in particular are characterized by diverse species compositions and have
a key role in the trophic network of freshwater ecosystems especially those impaired by substantial
organic loads [17]. Therefore, chironomid communities represent an important food source for a wide
range of aquatic and terrestrial animals [18], also considering in some cases, the role of pestiferous
chironomid species [19].

Some chironomid species are frequently used as endpoints (as test organisms) in ecotoxicological
bioassays for the assessment of ecological risks; for example, larval growth rate, adult emergence, and
survival [20]. In particular, widely used in bioassays are the larvae of aquatic midge species belonging
to the genus Chironomus, such as Chironomus plumosus (Linnaeus, 1758), Chironomus riparius (Meigen,
1804), Chironomus tentans (Fabricius, 1805), Chironomus sancticaroli (Strixino and Strixino, 1981), and
Chironomus tepperi (Skuse, 1889) [21–25].

In freshwater ecosystems, these bioindicator chironomid species are common, abundant, and
tolerant to polluted sediments. The exposure to potentially contaminated sediments is due to their
benthic habits and feeding on fine particulate organic matter (POM: 0.5 μm–1 mm) collected from
sediments [18]. Thus, they exhibit suitability in monitoring the pollutant effects in inland waters.

In several laboratory and field studies, an association between environmental contamination level
(metals, such as As, Cd, Cr, Cu, Hg, Mn, Ni, Pb, Zn, and organic compounds, such as polychlorinated
biphenyls (PCBs) and pesticides) and the onset of sublethal effects as deformities of mouthparts (i.e.,
mentum, mandibles, and pectin epipharyngis) in chironomid larvae has been observed. In this regard,
studies on chironomid mouthpart deformities have been developed since the 1970s [26–28] and a vast
amount of literature based on laboratory bioassays [22,23,29–41] and field surveys [21,42–47] endorses
that the incidence of these deformities is well associated with the degree of sediment toxicity, whereas
no relationship has been detected between deformed phenotypes and organic enrichment; hence, the
water quality assessment indices are not always consistent with the use of chironomid deformities [48].
However, some studies have expressed concerns about the association between deformity incidence
and toxicants [24,49].

The mouthpart deformities probably are a consequence of the interaction of contaminants, playing
as endocrine-disrupting chemicals, with hormones structurally related to estrogen, such as ecdysone,
that leads and regulates insect growth and metamorphosis [50]. Therefore, the “altered” ecdysone
might interfere during the molting processes in larval development, causing phenotypic anomalies, as
the mouthpart deformities in chironomids [51].

Thus, morphological deformities in chironomids are an aspecific response to different contaminants,
such as heavy metals and pesticides, and an ecotoxicological endpoint to evaluate the total effects of
the exposure to a toxic mixture of peculiar toxicants present in the freshwater environments [4,22].
For this reason, chironomid deformities are a reliable biomarker for assessing environmental toxicity.

The purpose of the present research was: (i) to use the incidence of mentum deformities in
C. plumosus larvae as an effective tool for biological assessment of the environmental contamination
entity in Lake Trasimeno, Central Italy; (ii) to compare the results with previous investigation in Lake
Trasimeno (nearly ten years ago [43]) and evaluate the enhancement of environmental contamination
over time.
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2. Materials and Methods

2.1. Study Area

Lake Trasimeno, the fourth largest lake in Italy, is located within the Tiber River basin in Umbria,
Central Italy. It is the most extended lake of peninsular Italy (124.3 km2 surface). It is a shallow lake of
tectonic origin, at hydrometric zero (257.33 meters above sea level (m a.s.l.)) and has an average depth
of 4.7 m with a maximum depth of 6.3 m [52,53]. It is characterized by a Mediterranean climate, and its
hydrological regime depends on local precipitations, which shows considerable fluctuations in water
level over the years [54,55]. These peculiar features and the diffuse anthropogenic sources of pollution
(agriculture, livestock farms, industry, and urban settlements) in the lake surrounding land areas make
this biotope susceptible to contamination [56]. For its naturalistic and ecological importance, Lake
Trasimeno is considered as a Special Area of Conservation (IT5210018; Habitat Directive, 1992/43/EEC)
and Special Protection Area (IT5210070; Bird Directive, 2009/147/EC), and it is also a regional park.

2.2. Field Sampling Campaign

The field sampling campaign was carried out in the littoral and central zones of the lake. In the
littoral zone, six sampling sites were selected along a 350 m area, representative of the main bottom
types (sandy, silty, and macrophyte-covered) present in Lake Trasimeno, situated along the coastline
(1.5 m average depth) close to the town of Castiglione del Lago. This area among the littoral zone
is most subject to the anthropic impact on the lake. In the central zone of the lake, three sampling
sites were selected in the same bathymetric zone (4–5 m depth) (Figure 1). The sampling design
in the present study was based on a previous investigation [43] carried out from 2000 to 2010 at
Lake Trasimeno.

Figure 1. Lake Trasimeno, Umbria, Italy, and location of the field sampling sites.

The survey lasted for 16 months: from May 2018 to August 2019. A total of 51 samplings were
carried out: 34 in the littoral zone and 17 in the central zone (Table 1). For each of the two zones, at
least one monthly survey was conducted (with the exception of June 2018 for the central zone), with a
higher sampling frequency during the spring–summer period.

During each sampling occasion, in the littoral zone 6, quantitative sub-samples of the bottom
sediments were collected at each sampling site (a total of 36 sub-samples) with a hand dredge (112 cm2

sampling surface); in the central zone the sampling technique consisted of a quantitative sampling of
the bottom sediments with a compressed air dredge (400 cm2 sampling surface, 21 mesh per cm nylon
net), repeated 5 times per site, with a duration of 1 min each (a total of 15 sub-samples).
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Benthic macroinvertebrates were separated from the sediment, sorted, and then preserved in 70%
ethanol for later examination in the laboratory. The main taxa composing the benthic community of
each sample were firstly identified to the family level using suitable taxonomic keys [57]. Chironomid
specimens were subsequently identified to genus or species (Chironomus plumosus) level through the
observation of peculiar features of their head capsules [58–61].

2.3. Mouthpart Deformities of Chironomus plumosus Larvae

Body length and head capsule dimensions (width and length) of chironomid larvae were measured
to identify the larval stage (instar), and head capsules were then mounted on slides and fixed with
Faure liquid (modified composition [22,43]).

 
Figure 2. Chironomus plumosus images showing Class 1 (CL. 1): (a) the normal-shaped mentum, (b) the
normal-shaped mentum with mechanical damage (arrows), (c) the mentum not evaluable (N.E., not
completely visible, arrow), and the various mentum deformity types of Class 2 (CL. 2) and Class 3
(CL. 3). (d) CL. 2: mentum with a rounded tooth (arrow), (e) mentum with a filed tooth (arrow), and
(f) mentum with an additional tooth (arrow). (g) CL. 3: mentum with a Köhn gap (arrow), (h) mentum
with missing teeth (arrow), and (i) mentum with a combination of different deformities (arrows).

Only Chironomus plumosus head capsules were considered for mouthpart deformity assessment
and examined under a microscope. Specimens that did not have completely visible mentum or those
with a cephalic capsule highly damaged during fixation on the microscope slides were excluded
from further analyses. Chironomus plumosus specimens were classified according to the protocol
for morphological response of the mentum, consisting of three classes [22,42–44,62]: Class 1 (CL. 1)
specimens without morphological deformity or with mechanical damages (broken or worn menta or
teeth) [4,5,63–65]; Class 2 (CL. 2) specimens with weak deformity (one or two round/filed teeth; one
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missing or additional tooth; one bifid tooth; one serrate tooth; two joined teeth; weak asymmetry);
Class 3 (CL. 3) specimens with severe deformity (very round/filed teeth; two or more missing or
additional teeth; two or more bifid teeth; serrate teeth; three or more joined teeth; severe asymmetry;
Köhn gap; combination of different deformities). Examples of mentum deformity classes of C. plumosus
larvae are shown in Figure 2.

2.4. Statistical Analysis

Ljung–Box test was used to analyze temporal autocorrelation. Generalized linear models (GLM)
were used to analyze differences in head width and length among the different deformity classes, setting
larval instar as a covariate and Gaussian family as the link function. The test of equal proportions was
carried out to examine differences in the deformity incidences among the seasons [66]. Each deformity
class was tested independently and the pairwise comparisons for proportions with the Bonferroni’s
correction were used as a post-hoc procedure. The results were regarded as significant at a two-tailed
p-value of 0.05. All calculations were performed using the glm function and the prop.test of the R
software [67].

3. Results

3.1. Macroinvertebrates and Chironomids

During this survey at Lake Trasimeno, a total of 31,240 benthic macroinvertebrate specimens
were collected: 21,220 in the littoral zone and 10,020 in the central zone. The benthic communities
were mainly composed of Oligochaeta (Naididae) and Diptera: (Chironomidae). The littoral zone
community was composed of the following means (±SD): Naididae: 64.98% (±12.90%), Chironomidae:
31.55% (±13.17%), and other taxa: 3.46% (±3.83%). A very similar benthic community composition
was found in the central zone: Naididae: 67.95% (±16.62%), Chironomidae: 31.97% (±16.57%), and
other taxa: 0.08% (±0.18%). The other macroinvertebrate taxa collected were essentially alien invasive
species (i.e., Dreissena polymorpha (Pallas, 1771) and Dikerogammarus villosus (Sowinsky, 1894)) (Table 1).

During the whole sampling period, the mean (±SD) density of Chironomidae was 464 (±246) and
335 (±330) individuals m−2, in the littoral and central zones, respectively; the mean (±SD) density of
Naididae was 1072 (±782) and 647 (±461) individuals m−2, in the littoral and central zones, respectively;
and the mean (±SD) density of other taxa was 53 (±64) and 1 (±2) individuals m−2, in the littoral and
central zones, respectively (Table 1).

A total of 3857 C. plumosus larvae was collected, 796 from the littoral zone and 3061 from the
central zone. In the littoral zone, C. plumosus represented a mean (±SD) of 20.69% (±21.41%) of the total
chironomid community (ranging from 0% to 83.95%), while it was always the dominant taxon of the
central zone chironomid community (mean 97.07% ± 5.11%), ranging from 81.68% to 100% (Table 1).

The analysis of biometric variables identified the respective instar of each specimen. In the
littoral zone most (60.93%) specimens belonged to instar IV, 29.27% to instar III, and 9.80% to instar II.
Almost all specimens (99.25%) from the central zone belonged to instar IV, while only 0.72% and 0.03%
belonged to instar III and II, respectively.

3.2. Mentum Deformity in Chironomus plumosus

For mentum deformity evaluation of C. plumosus larvae, 59 specimens collected from the littoral
zone and 294 collected from the central zone of Lake Trasimeno were excluded due to damages to the
cephalic capsule or due to incomplete visibility of mentum. Thus, deformity assessment was based
on 737 specimens from the littoral zone and on 2767 specimens from the central zone. Ljung–Box
test revealed no temporal autocorrelation within deformity classes among samplings. The deformity
incidence amounted to 7.22% (1.51% in CL. 3) in the whole Lake Trasimeno’s ecosystem, reaching 8.28%
(3.12% in CL. 3) in the littoral zone and 6.94% (1.08% in CL. 3) in the central zone of the lake (Table 2).

125



Water 2020, 12, 1

Table 2. Chironomus plumosus incidence of the deformity classes: CL. 1, no deformity; CL. 2, weak
deformity; CL. 3, strong deformity and CL. (2 + 3); individuals (N) and percentages (%); (a) littoral
zone; (b) central zone; (c) Lake Trasimeno.

(a) Littoral Zone (b) Central Zone (c) Lake Trasimeno

CLASS N % CLASS N % CLASS N %

CL. 1 676 91.72 CL. 1 2575 93.1 CL. 1 3251 92.78
CL. 2 38 5.16 CL. 2 162 5.85 CL. 2 200 5.71
CL. 3 23 3.12 CL. 3 30 1.08 CL. 3 53 1.51

CL. (2 + 3) 61 8.28 CL. (2 + 3) 192 6.94 CL. (2 + 3) 253 7.22

The polyvoltine biological cycle of C. plumosus at Lake Trasimeno exhibited one winter cohort, one
spring cohort, and different summer cohorts during the year. Thus, the mentum deformity classes were
analyzed in the different seasonal cohorts as shown in a box-plot of the relative statistical variables in
Figure 3. In particular, in the littoral zone (34 samplings), the deformed specimens (CL. 2 + 3) had mean
values of 1.0 ± 0, 5.0 ± 3.6, and 10 ± 3.0 in the winter, spring, and summer cohorts, respectively; while
in the central zone (17 samplings) the deformed specimens (CL. 2 + 3) had mean values of 4.5 ± 1.5,
9.3 ± 7.5, and 45.7 ± 33.1 in the winter, spring, and summer cohorts, respectively.

Figure 3. Boxplot of C. plumosus specimens (N, log scale) in seasonal cohorts and overall 2018–2019
survey, grouped by deformity classes: CL. 1 (green, no deformity), CL. 2 (yellow, weak deformity), CL.
3 (red, strong deformity), and CL. (2 + 3) (purple). (a) Littoral zone; (b) central zone. Box represents the
interquartile range, thick lines represent the median, whiskers represent the minimum and maximum
values, and dots represent the outliers.

In the littoral zone the deformity incidence of the winter cohort was 2.67% (1.33% in CL. 3), the
spring cohort was 12.93% (2.59% in CL. 3), and the summer cohort was 8.92% (3.82% in CL. 3); while in
the central zone the deformities in the winter cohort amounted to 6.32% (1.17% in CL. 3), 10.73% in the
spring cohort (0.77% in CL. 3), and 6.59% in the summer cohort (1.11% in CL. 3) (Figure 4).
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Figure 4. Deformity incidence (%): CL. 2 (yellow, weak deformity); CL. 3 (red, strong deformity); and
CL. (2 + 3) (purple) in C. plumosus seasonal cohorts and overall 2018–2019 survey; (a) littoral zone; (b)
central zone.

In the littoral zone, the test of equal proportions showed significant differences in the rate of
deformity incidence among the seasons for CL. 2 (p < 0.01). In contrast, no differences were observed
for CL. 3 (p > 0.6). Combining CL. 2 and CL. 3, significant differences were detected with an increase
in the proportion of specimens with deformities in spring (p < 0.01). In the central zone, significant
differences were observed for CL. 2, with a deformity incidence in spring significantly higher than that
recorded in summer (p < 0.01), while no differences were detected for CL. 3 (p > 0.9). Combining CL. 2
and CL. 3, no statistical differences emerged.

The deformity assessment in relation to the different larval stages (instars) highlighted that in the
littoral zone 7.33% of the deformed specimens (2.85% in CL. 3) belonged to instar IV and only 0.95%
(0.27% in CL. 3) to instar III, while in the central zone the instar IV deformed specimens were 6.90%
(1.08% in CL. 3) and only 0.04% (none in CL. 3) belonged to instar III. No deformed specimens in both
zones belonged to instar II (Table 3).

Figure 5 shows the distribution and relative head size (head length and width) of normal and
deformed larvae among instars, in the littoral and central zones of Lake Trasimeno. In the littoral
zone, the head length and width means of instar IV specimens (about 61% of total C. plumosus larvae)
belonging to CL. 1 (normal), CL. 2 (weak deformity), and CL. 3 (strong deformity) were 0.93 and
0.73 mm, 0.93 and 0.73 mm, and 0.95 and 0.75 mm, respectively. Similar trends of head length and
width of instar IV specimens (about 99% of total C. plumosus larvae) were recorded in the central zone,
the mean sizes were 0.98 and 0.78 mm (CL. 1), 0.98 and 0.78 mm (CL. 2), and 1.00 and 0.80 mm (CL. 3)
(Table 3). No significant differences were observed in the biometric variables of the head among the
three deformity classes (p > 0.05).
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Table 3. Head length and width (mm) of C. plumosus larvae (all instars, instar IV, instar III, and instar
II); CL. 1, no deformity; CL. 2, weak deformity; CL. 3, strong deformity; and CL. (2 + 3); number
(N), minimum (Min), median, mean, standard deviation (SD), and maximum (Max); (a) littoral zone;
(b) central zone.

(a) Littoral Zone (b) Central Zone

Head Lenght (mm) Head Width (mm) Head Lenght (mm) Head Width (mm)

CL 1 2 3 2 + 3 1 2 3 2 + 3 1 2 3 2 + 3 1 2 3 2 + 3

All Instars N 676 38 23 61 676 38 23 61 2575 162 30 192 2575 162 30 192
Min 0.18 0.48 0.40 0.40 0.13 0.38 0.38 0.38 0.30 0.53 0.85 0.53 0.25 0.43 0.70 0.43

Median 0.83 0.91 0.95 0.93 0.65 0.75 0.75 0.75 1.00 1.00 1.00 1.00 0.78 0.78 0.79 0.78
Mean 0.75 0.88 0.90 0.89 0.58 0.69 0.72 0.70 0.98 0.98 1.00 0.98 0.78 0.78 0.80 0.78

SD 0.24 0.17 0.16 0.17 0.20 0.13 0.12 0.13 0.09 0.10 0.09 0.10 0.08 0.08 0.08 0.08
Max 1.20 1.10 1.10 1.10 0.93 0.95 0.90 0.95 1.25 1.25 1.25 1.25 1.00 1.05 1.00 1.05

Instar IV N 402 33 21 54 402 33 21 54 2555 161 30 191 2555 161 30 191
Min 0.70 0.75 0.75 0.75 0.50 0.60 0.63 0.60 0.70 0.68 0.85 0.68 0.50 0.55 0.70 0.55

Median 0.93 0.93 0.95 0.95 0.75 0.75 0.75 0.75 1.00 1.00 1.00 1.00 0.78 0.78 0.79 0.78
Mean 0.93 0.93 0.95 0.94 0.73 0.73 0.75 0.74 0.98 0.98 1.00 0.98 0.78 0.78 0.80 0.79

SD 0.10 0.09 0.08 0.08 0.08 0.07 0.07 0.07 0.08 0.09 0.09 0.09 0.07 0.07 0.08 0.07
Max 1.20 1.10 1.10 1.10 0.93 0.95 0.90 0.95 1.25 1.25 1.25 1.25 1.00 1.05 1.00 1.05

Instar III N 214 5 2 7 214 5 2 7 19 1 - 1 19 1 - 1
Min 0.40 0.48 0.40 0.40 0.20 0.38 0.38 0.38 0.50 0.53 - 0.53 0.30 0.43 - 0.43

Median 0.53 0.50 0.45 0.50 0.40 0.40 0.39 0.40 0.55 0.53 - 0.53 0.40 0.43 - 0.43
Mean 0.53 0.51 0.45 0.49 0.40 0.40 0.39 0.40 0.55 0.53 - 0.53 0.41 0.43 - 0.43

SD 0.05 0.03 0.07 0.05 0.05 0.03 0.02 0.03 0.04 - - - 0.04 - - -
Max 0.70 0.55 0.50 0.55 0.50 0.45 0.40 0.45 0.63 0.53 - 0.53 0.45 0.43 - 0.43

Instar II N 60 - - - 60 - - - 1 - - - 1 - - -
Min 0.18 - - - 0.13 - - - 0.30 - - - 0.25 - - -

Median 0.33 - - - 0.23 - - - 0.30 - - - 0.25 - - -
Mean 0.31 - - - 0.22 - - - 0.30 - - - 0.25 - - -

SD 0.05 - - - 0.04 - - - - - - - - - - -
Max 0.40 - - - 0.33 - - - 0.30 - - - 0.25 - - -

Figure 5. Size (length and width; mm) of C. plumosus larvae, different instars (II, III, and IV) are
surrounded by dotted circles, mentum in CL. 1 (green, no deformity), CL. 2 (yellow, weak deformity),
and CL. 3 (red, strong deformity). (a) littoral zone; (b) central zone.

Lastly, in Table 4 the different types of C. plumosus mentum deformities in Lake Trasimeno are
reported. The main CL. 2 deformity types in the littoral zone, central zone, and the whole lake,
respectively, were: “one or two round/filed teeth” with 81.58%, 69.75%, and 72.00%; “one missing
tooth” with 2.63%, 17.90%, and 15.00%; “one additional tooth” with 5.26%, 3.09%, and 3.50%; “one
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serrate tooth” with 10.53%, 3.70%, and 5.00%; “one bifid tooth” with 0%, 4.94%, and 4.00%. The main
CL. 3 deformity types, listed in the same order, were: “very round/filed teeth” with 39.13%, 33.33%,
and 35.85%; “two or more missing teeth” with 21.74%, 16.67%, and 18.87%; “two or more additional
teeth” with 8.70%, 0%, and 3.77%; “Köhn gap” with 0%, 20.00%, and 11.32%.

Table 4. Chironomus plumosus mentum deformity types: CL. 2 (weak deformity), CL. 3 (strong
deformity), and CL. (2 + 3); numbers (N) and percentages (%); (a) littoral zone; (b) central zone; (c) Lake
Trasimeno, Central Italy.

Class and Deformity Type
(a) Littoral Zone (b) Central Zone (c) Lake Trasimeno

(N) (%) (N) (%) (N) (%)

CL. 2 38 162 200

One or Two Round/Filed Teeth 31 81.58 113 69.75 144 72.00
One Missing Tooth 1 2.63 29 17.90 30 15.00

One Additional Tooth 2 5.26 5 3.09 7 3.50
One Bifid Tooth 0 0 8 4.94 8 4.00

One Serrate Tooth 4 10.53 6 3.70 10 5.00
Two Joined Teeth 0 0 1 0.62 1 0.50
Weak Asymmetry 0 0 0 0 0 0

CL. 3 23 30 53

Very Round/Filed Teeth 9 39.13 10 33.33 19 35.85
Two or More Missing Teeth 5 21.74 5 16.67 10 18.87

Two or More Additional Teeth 2 8.70 0 0 2 3.77
Two or More Bifid Teeth 0 0 0 0 0 0

Serrate Teeth 0 0 0 0 0 0
Three or More Joined Teeth 0 0 0 0 0 0

Severe Asymmetry 0 0 0 0 0 0
Köhn Gap 0 0 6 20.00 6 11.32

Combination of Different Deformities 7 30.43 9 30.00 16 30.19

CL. (2 + 3) 61 192 253

Round/Filed Teeth 40 65.57 123 64.06 163 64.43
Missing Teeth 6 9.84 34 17.71 40 15.81

Additional Teeth 4 6.56 5 2.60 9 3.56
Bifid Teeth 0 0 8 4.17 8 3.16

Serrate Teeth 4 6.56 6 3.13 10 3.95
Joined Teeth 0 0 1 0.52 1 0.40
Asymmetry 0 0 0 0 0 0
Köhn Gap 0 0 6 3.13 6 2.37

Combination of Different Deformities 7 11.48 9 4.69 16 6.32

4. Discussion

This study analyzed mentum deformities in C. plumosus larvae as an endpoint for evaluating the
effects of anthropogenic stressors in the shallow Lake Trasimeno. The results of the survey showed
a low deformity incidence, amounting to about 7% (1.5% in CL. 3) in the whole Lake Trasimeno’s
ecosystem, with similar values in the littoral and central zones of the lake, about 8% (3% in CL. 3) and
7% (1% in CL. 3), respectively.

Paleolimnological studies, representing natural background levels during the pre-industrial age,
showed deformity incidences between 0% and 0.8% [68,69]. In the contemporary age [70,71] the
incidence of background deformities in low-impacted areas is lower than 8% suggesting this threshold
as the reference background for deformity incidence in natural inland waters. Therefore, the results
of the present research affirm that this biotope has a deformity incidence value comparable to that
of inland waters subject to low anthropic impact. Perhaps, this can be associated to a low degree of
contamination of the Trasimeno’s ecosystem, in particular of sediments that represent a preferential
sink for toxic compounds and, at the same time, serve as a habitat for chironomid larvae.
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The deformity incidence analysis among the different cohorts of the polyvoltine biological cycle of
C. plumosus showed that the spring cohort had overall the highest deformity values in Lake Trasimeno,
corresponding to 11.41% (1.33% in CL. 3). Perhaps, this peak of deformities in the spring cohort is
due to the compromise between metabolic activity and residence time in sediments, compared to the
winter cohort (low metabolic activity and long residence time) and to summer cohorts (high metabolic
activity and short residence time).

Head size (length and width) of normal and deformed larvae grouped according to their instar
showed similar trends, regardless of whether they were found in the littoral or in the central zone of
the lake. These results highlight that mentum deformity did not cause alterations of the head size of
deformed specimens, meaning a similar larval growth of the latter compared to normal specimens [62].

A comparison of current results with previous investigations (2000–2010) conducted in Lake
Trasimeno using the same sampling methods showed a clear decrease in the incidence of mentum
deformities in C. plumosus larvae, both in the littoral and in the central zone of the lake [43]. In fact,
the deformity incidences that were about 20% (9.5% in CL. 3) in the littoral zone of Castiglione del
Lago during 2006–2009 and about 13% (3.8% in CL. 3) in the central zone of the lake during 2000–2010,
decreased to 8% and 7% in the respective lake areas during the present survey (2018–2019). This 10-year
comparison demonstrated a clear decrease in the current deformity index values. Over the years, in
effect, there has been a confirmation of this decreasing trend of deformity incidence that, in the littoral
zone, decreased from 31% in 2006 to 10% in 2009, until reaching the current level of 8%. A similar
phenomenon tended to occur in the central zone of the lake as well, which showed a deformity index of
11% in 2000, 17% in 2001, 10% in 2002, and 13% in October 2010, until reaching the current level of 7%.

In summary, the surveys carried out at Lake Trasimeno allow a space–time biological assessment
of lacustrine sediments’ contamination showing a qualitative recovery over time of the lake ecosystem
both in the central and littoral zone; the latter zone, more easily subject to the introduction of pollutants,
showed an incidence of severe deformities (CL. 3) of 3% compared to 1% in the central zone.

However, the relationship between the incidence of strong (CL. 3) and weak (CL. 2) deformities is
not easy to interpret, in fact, even if severe deformed phenotypes (CL. 3) were found in specimens
subject to sediments contaminated both with organic and inorganic pollutants, their increase is probably
influenced not only by the quantity but also by the type of compounds that form the toxic mixture [4,22].
Consequently, as a reliable biomarker, it is more appropriate to consider the two deformity classes
together (CL. 2 + 3) for an overall assessment of the toxic effects of sediment contamination [22].

In this regard, some studies based on ecotoxicological laboratory experiments queried
the relationship between chironomid deformities and toxicity assessment in freshwater
ecosystems [24,49,72–76]. However, the high variability of those experimental results can be influenced
by different variables, such as: (i) the endpoint used (mentum, mandibles, pectin epipharyngis); (ii) the
deformity types considered; (iii) the larval instars used in the experiment; (iv) the type of cultures used
which often cause a high incidence of deformities in the control test; (v) the exposure time of the larvae
to the contaminants; and (vi) the type of contaminant mixture used in the test.

On the other hand, in natural environments the association between incidence of chironomid
deformities and levels of chemical contamination is very consistent, despite the lack of a standardized
protocol for the deformity assignment which can generate cases of inconsistent interpretation. In this
respect, in the ring test (based on digital images) [74] involving 25 international experts to assess the
status (normal or deformed) of 211 chironomid larvae menta (IV instar) from Lake Saimaa (Finland),
the majority of them (at least 2/3) highlighted clearly that the incidence of mentum deformities was
high in the polluted site (about 30%) and low in the reference site (<10%), with no significant differences
between blind or open assessment.

In addition, the present study contributes to the elaboration of a detailed protocol for the definition
of which types of mentum deformities to be considered for an assessment of the deformity incidence
in Chironomus populations of freshwater biotopes.
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The present study data showed that, among deformed menta of C. plumosus found in Lake
Trasimeno (littoral and central zones), the most common deformity types were “round/filed teeth” with
64% followed by “missing teeth” (16%), a “combination of different deformities” (about 6%), “serrate
teeth” (4%), “additional teeth” (4%), “bifid teeth” (3%), “Köhn gap” (2%), and “joined teeth” (0.4%)
(Table 4).

In conclusion, the present study on Lake Trasimeno provides a further contribution to the evaluation
of mentum deformities in chironomid populations of inland waters. In the biomonitoring programs,
the deformity incidence can provide an easy biological tool to assess the effects of sediment-associated
toxicants. The mentum deformities assessment is complementary and non-substitutive of the chemical
instrumental analyses; in fact, a high incidence of deformities in a freshwater ecosystem is a warning
(indicator) for the start of a chemical analytical monitoring program aimed at qualitative and quantitative
detection of the toxic compounds causing environmental contamination.
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Abstract: Mountain karst ponds are sensitive environments, hosting complex trophic networks
where amphibians play a major role, often as top predators. The diet of the Italian crested newt
(Triturus carnifex) is still poorly known for populations occupying mountain karst ponds. These
are traditionally used as livestock’s watering points, leading to water pollution due to excreta
and wading behavior. The aim of this paper is to understand the relationship between T. carnifex
diet composition, assessed through the stomach flushing technique, and physical and chemical
characteristics in mountain ponds, focusing on parameters altered by livestock pressure, such as
ammonium concentration and dissolved oxygen. The high diversity of prey items found within the
newts’ gut contents confirms the generalist diet even in mountain ponds. The number of prey taxa,
their relative abundance and Shannon–Wiener diversity index show variations among the sampled
sites, related to livestock organic pollution. Moreover, we report the very first European records
of microplastic items in amphibians’ stomach content, which also represent the first evidence for
Caudata worldwide. Our findings suggest that livestock pressure directly influences T. carnifex diet
and highlight that the emerging issue of plastics is a threat even in remote high-altitude environments.

Keywords: diet; Triturus carnifex; mountain karst ponds; pollution; microplastics

1. Introduction

High-altitude ecosystems are nowadays more and more studied because of their susceptibility to
ongoing climate change and habitat loss [1–3]. Many species have been proven to shift their ranges to
higher altitudes [4–6] or, when the habitat does not permit these migrations, to possibly go extinct [7–9].

Karst mountain ponds are sensitive water bodies because of their exposure to several highly
variable environmental factors. They are subject to seasonal snow coverage, noticeable daily and
annual thermal excursion, UV-radiation and water-level changes [10–13]. As a result, the biotic
component is often unique as well, showing adaptations to temperature fluctuation, long diapause or
hibernation and short breeding phenology [14–16]. The species belonging to these animal communities
are often of conservation concern, because of their specialization to mountain environments and to low
connectivity among ponds [10,17].

In the Apennines, ponds are usually located within grasslands of karstic plateaus, and are
traditionally used as watering points for livestock [18–20]. Therefore, the occurrence of cattle around
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and inside the ponds determine the eutrophication of the water through the direct and indirect
introduction of their excreta [21,22], as we also frequently observed during field campaigns. Even
though most of these ponds fall within National and Regional Parks, they are still vulnerable and
sensitive to many occurring environmental changes, because of their limited size [23,24]. Considering
the alternation of turbid and clear water due to the alternative stable state of ponds [25], it is
evident that the increase of non-managed livestock in ponds (especially horses and cows) determines
nutrient enrichment, shifting towards turbid water conditions through sediment resuspension and
alteration of chemicals, such as ammonium and oxygen concentrations [26,27]. Such physical and
chemical modification affects both the macroinvertebrates and the vertebrates in ponds. In particular,
the macroinvertebrate community structure changes and negatively influences the amphibians’
community; this cascade effect depends on the environmental conditions of the ponds, because of a
complex interaction between abiotic and biotic components [22,28,29]. Further, amphibians themselves
show high sensitivity to climate [30,31], contaminants [32–34] and habitat changes [35,36].

Despite their highly threatened status [37,38] and their importance in food webs [39,40],
amphibians’ dietary ecology in high altitude lakes or ponds has been poorly investigated so far [41,42].

In this paper, we analyze how the ponds’ alteration due to dense livestock presence could affect
amphibians’ diet, through the diet analysis of the Italian crested newt, Triturus carnifex, at mountain
sampling sites. We study this aspect, which is still little known, focusing on both livestock-used ponds
of different extents and artificial waters (rainwater collection cistern and troughs), characterized by
different physical and chemical water conditions, in protected areas.

We explored, through a correspondence analysis, the association between physical and chemical
variables and diversity in prey taxa in ponds with different degrees of livestock pollution. We also
performed multiple statistical comparisons to test possible significant differences in the variability
of newts’ diet between natural and artificial sites and among the single sampling sites. We further
assessed the presence of human-derived pollutants, such as plastics, which possibly affect freshwater
ecosystems even in high altitudes.

2. Materials and Methods

2.1. Target Species

The Italian crested newt Triturus carnifex (Laurenti, 1768) was the target species of this study;
it shows a disjunct distribution between the Italian and Balkan peninsulas [43]. In Italy, the species
occurs from the sea level up to 1980 m [44]; in the Central Apennines, it reaches 1818 m a.s.l. in Lake
Pantaniello [45,46].

The terrestrial environment preferred by the Italian crested newt ranges from deciduous beech
forests to typically Mediterranean xeric meadows; the shelters must be fresh and moist, often found
under downed woods, in forest litter and in the burrows of small mammals. The aquatic phase occurs
in lakes, ponds, springs and puddles, preferably rich in aquatic vegetation for egg deposition.

Triturus carnifex is classified as “Near threatened” by the Italian IUCN red list, with a declining
population trend [47]. The main threats are the destruction or alteration of its reproductive sites at
different levels, the shift to intensive agricultural practices, and climate change, which often leads to
the desiccation of their preferred habitats [48–50].

2.2. Study Area

The study area included the Central Apennines’ mountain karst plains (900–1700 m a.s.l.) (Figure 1),
characterized by a scarcity of surface water. In this area, we selected 9 natural and artificial sampling
sites, classified as ponds, troughs and a cistern; all of them fell within two protected areas, the Gran
Sasso and Monti della Laga National Park and the Sirente Velino Regional Park. In the former, the
ponds named Fossetta (two neighboring ponds, coded as GSA and GSB), Fossa di Paganica (GSC) and
Racollo (GSD) were studied. In the latter, the Tempra pond (SVA), the Piane di Iano pond (SVB), the

138



Water 2020, 12, 44

Pagliare di Tione no-roof rainwater collection cistern, hereafter named only “cistern” (SVC), the Piano
Canale (SVD) and Fonte dell’Acqua (SVE) troughs were sampled. Relevant pieces of information about
the sampling sites are reported in Table 1.

Figure 1. Study area with altitude classes and sampling localities (black triangles).

Table 1. Sampling sites considered in the analyses and the corresponding geographic information.

Name Code Type Area (m2)
Max.

Depth (m)
Latitude Longitude

Elevation
(m a.s.l.)

Fossetta A GSA Pond 1870 1.2 42◦24′17” N 13◦35′14” E 1658
Fossetta B GSB Pond 358 1.2 42◦24′19” N 13◦35′13” E 1658

Fossa di Paganica GSC Pond 4500 1.5 42◦24′55” N 13◦39′27” E 1680
Racollo GSD Pond 7000 0.8 42◦23′37” N 13◦39′27” E 1570
Tempra SVA Pond 870 1.5 42◦10′22” N 13◦38′30” E 1183

Piane di Iano SVB Pond 780 1.2 42◦11′21” N 13◦37′22” E 960
Pagliare di Tione SVC Cistern 125 2.5 42◦11′55” N 13◦36′41” E 1080

Piano Canale SVD Trough 15 0.5 42◦08′25” N 13◦39′17” E 1342
Fonte dell′Acqua SVE Trough 26 0.5 42◦08′21” N 13◦39′10” E 1167

The GSA, GSB, GSD and SVB ponds show remarkable water level variations during summer; they
are characterized by turbid waters (because of the silty bottom) and scarce vegetation (mainly composed
by Potamogeton, Ceratophyllum and Myriophyllum) due to the constant presence of livestock (sheep, cows
and horses), which enter the ponds for some meters from the banks (Figure 2). On the contrary, GSC
and SVA show clearer waters, probably due to the wide extent (and the gravel bottom) of the former
and due to the low livestock frequentation of the latter. In all these ponds, water is supplied only from
snow melting and rainfall. SVC is not used by livestock as a watering point because of its limited
accessibility due to perimeter walls; it has clear water and abundant aquatic vegetation. Finally, SVD
and SVE show clear water and aquatic vegetation (including algae) as well; they are used as watering
points, but livestock does not enter them.

139



Water 2020, 12, 44

 

Figure 2. Livestock near Fossa di Paganica pond, GSC (a); horses grazing aquatic plants (b) and cow
cooling off during summer (c) in the Fossetta pond, GSA.

2.3. Sampling Methods

Newts (excluding larvae) were sampled starting from 2015 to 2019 (June–September, following
the aquatic phase of the target species), employing both active and passive sampling methods. Dip
netting sessions were performed, following a circular transect to cover the entire pond’s perimeter.
Funnel traps were also used as passive capture method, leaving them in the sampling sites for a 12-h
period. The captured newts were stomach flushed using all the necessary equipment as described
in [51]; the stomach contents were stored in Eppendorf safe-lock tubes with 70% ethanol.

A multi-parametric probe Eutech PD650 (EUTECH Instruments, Singapore, Singapore) was used
to measure pH, dissolved oxygen (DO in mg/L), redox potential (mV) and the possible presence of
ammonium (NH4

+ concentration, mg/L), resulting from livestock excreta directly released within
the ponds (or nearby the corresponding banks). All of the parameters were measured once for each
sampling session.

2.4. Diet Analysis

The prey items were identified at the lowest taxon allowed by the level of digestion, generally
as orders.

The sampled newts for each sampling site, the number of different prey groups and the total
number of prey items found within the stomach contents of each newt are reported in Supplementary
Material Table S1.

Diversification of predated taxa was calculated for each sampled newt within each sampling
site through the Shannon–Wiener diversity index (H’), by means of the ‘diversity’ function of the
‘vegan’ [52] package in R [53]. The resulting H’ values are reported in Supplementary Material Table S1.

Appropriate statistical tests were conducted in R to check for potential discrepancies in the
diversification of prey groups among the sampling sites, as well as among the types of sampling sites
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(i.e., ponds, cistern and troughs) and their “class” (i.e., natural, comprising the ponds, and artificial,
including the cistern and the troughs).

A Shapiro–Wilk test and QQ plots were used to check the normality of the residuals from a linear
model built considering the H’ index as the response variable and the three above-mentioned grouping
factors as covariates. Levene tests were performed to check homoscedasticity across the levels of the
three grouping arrangements. Kruskall–Wallis tests were conducted to assess the significance of the
considered grouping factors.

Subsequently, multiple pairwise Wilcoxon Rank Sum tests were conducted, using the
‘pairwise.wilcox.test’ function in R [53] with the Benjamini and Hochberg p-value adjustment method,
to investigate differences among the single levels of the grouping factor(s) resulting as significant.

Moreover, we considered for each site the relative percentages of the different prey taxa per
“average newt” (i.e., the ratio between the number of prey items, for each taxon, and the number of
captured newts).

Correspondence analysis was performed through the ‘ca’ package [54] in RStudio [53], using both
chemical parameters and relative prey abundance for each sampling sites as variables.

Together with prey items and other materials (e.g., parts of plants and sediments), we unexpectedly
found microplastics in some stomach contents. All microplastics were observed and measured through
a Leica M205C (Leica Microsystems, Wetzlar, Germany) binocular microscope. Photomicrographs were
taken using a Leica DFC500 camera and the Zerene Stacker software (Zerene Systems LLC, Richland,
WA, USA) version 1.04.

3. Results

The stomach contents of 239 Italian crested newts were collected from the nine sampling sites. The
number of sampled newts and the total number of prey items for the different prey groups (for each
site) are reported in Supplementary Material Tables S1 and S2.

Prey items were counted and classified in 19 different taxa, namely Crustacea (4750 prey items),
Diptera (1800), Haplotaxida (328), Odonata (220), Hemiptera (191), Mollusca (135), Ephemeroptera
(75), Coleoptera (53), Araneae (35), Acarina (17), Hymenoptera (13), Dermaptera (five), Caudata
(four), Trichoptera (three), Tricladida (three), Lepidoptera (two), Julida (two), Neuroptera (one) and
Mermithida (one). A total of 641 items could not be determined, due to the high level of deterioration;
161 fragments of plants, 93 particles of inorganic sediments probably deriving from the bottom,
59 microplastic items in the form of fibres, splinters and other undeterminable fragments were
also found.

Crustacea (among which 47% were Ostracoda, 33% Branchiopoda and 19% Maxillopoda) and
Diptera (among which 81% were Chironomidae and 9% Culicidae) showed the highest frequencies per
average newt in almost all the sampling sites, with Crustacea exceeding 85% of the total prey items in
GSD and SVB; differently, the highest Diptera frequency is found in SVA (Figure 3). GSC showed the
highest number of taxa (14) per average newt, followed by SVD (13) and an equal number for SVA
and SVE (11); the remaining five sampling sites showed a total number of prey taxa ≤ 10 (GSA = 10,
SVC = 10, GSD = 8, GSB = 7, SVB = 6).

With respect to the analyses performed to assess the level of diversification within the diet of the
single newts among the sampling sites, the performed Shapiro–Wilk test (W = 0.95, p = 4.49 × 10−7) and
the inspected QQ plot led us to reject the hypothesis of the normality of the residuals from the linear
model built upon the H’ index, while the Levene tests did not reject homoscedasticity for the sampling
site (F = 0.97, p = 0.46), site type (F = 1.35, p = 0.26) and site class (F = 0.06, p = 0.80) grouping factors.
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Figure 3. Frequency of prey items (taxa) for each sampled site. Taxa < 10 prey items were aggregated
into a single class (grey); percentages < 10% are not reported within the figure for graphical purposes.

Given the normality assumption was not met, a Kruskall–Wallis test was used to check the
significance of the three grouping factors—significant differences in the means of the single levels
resulted in only considering the sampling sites as a grouping factor (χ2 = 18.01, df = 8, p = 0.02).

From the Wilcoxon Rank Sum tests successively performed on this grouping factor, GSB presented
as significantly more diversified in terms of taxa predated by the single newts with respect to SVE
(p = 0.04); it is also worth noticing the low median H’ value of GSA, GSD, SVB and SVE with respect to
the remaining sampling sites (Figure 4a).

Figure 4. Boxplots of Shannon–Wiener H’ index values across sampling sites (a), site types (b), and site
classes (c).

Notwithstanding, the site type (χ2 = 4.29, df = 2, p = 0.12) and site class (χ2 = 2.32, df = 8,
p = 0.13) were shown to be non-significant grouping factors by the Kruskall–Wallis tests, considering
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the differences among the levels of these two factors emerging from boxplots in Figure 4b,c, single
Mann–Whitney U tests were performed between natural and artificial sites, and among the three
site types.

With respect to site class, the diets of the single newts within natural sites could be considered
to be more diversified than in artificial ones (U = 5798.5, p = 0.06, alternative = ‘greater’) under a
less constraining 0.1 threshold for the p-value; differently, considering site types, diets of the single
newts in ponds were seen to be significantly richer than in (averages across the replicates) troughs
(U = 4781, p = 0.02, alternative = ‘greater’), while no significant pattern emerged for the other two
pairs (i.e., ponds–cistern and cistern–troughs).

The chemical parameters measured for each sampling site (averages across the replicates) are
reported in Table 2. GSA, GSB, GSD and SVB show very low values of dissolved oxygen, along with
relatively high values of ammonium (up to 0.26 mg/L in SVB), leading to classify them as “low water
quality sites”.

Table 2. Chemical parameters measured for each sampling site.

Name Code pH
Redox

Potential (mV)
DO (mg/L)

(DO (%sat), Temp. (◦C))
NH4

+ (mg/L)

Fossetta A GSA 7.3 −6.9 3.0 (38%, 20.8 ◦C) 0.12
Fossetta B GSB 7.6 −17.7 3.6 (47%, 21.1 ◦C) 0.17

Fossa di Paganica GSC 8.3 38.1 4.5 (62%, 24.0 ◦C) 0.00
Racollo GSD 7.6 −7.9 2.3 (32%, 23.2 ◦C) 0.03
Tempra SVA 9.5 −5.1 7.0 (90%, 24.2 ◦C) 0.06

Piane di Iano SVB 7.5 −28.7 3.7 (45%, 17.9 ◦C) 0.26
Pagliare di Tione SVC 8.5 16.2 7.2 (87%, 21.4 ◦C) 0.00

Piano Canale SVD 8.1 27.2 7.8 (96%, 20.3 ◦C) 0.00
Fonte dell’Acqua SVE 7.9 24.7 7.4 (93%, 23.4 ◦C) 0.00

SVA and GSC can be classified as “halfway sites”, while SVC, SVD and SVE, which represent the
artificial sites, could be grouped as “high water quality sites” (Table 2).

The correspondence analysis (Figure 5) resulted in a neat prevalence of Dim 1 (80.4%) along
which natural sites (GSA, GSB, GSD, SVA and SVB) and artificial ones (SVC, SVD and SVE) are clearly
separated, except for the GSC pond, which groups with the latter. Ammonium is distant from DO
and redox potential and placed near to the ponds group; differently, pH does not seem to form any
relevant group with the other variables. Mollusca, Crustacea, Hemiptera, Coleoptera and Diptera are
placed in the negative portion of Dim 1, near the ponds group; on the contrary, Odonata, Trichoptera
and Caudata are the main taxa placed close to the artificial sites. Tricladida, Mermithida, Haplotaxida,
Julida, Dermaptera, Ephemeroptera and Hymenoptera are located between the two groups of sampling
sites, in proximity to the artificial sites. Acarina, Araneae and Lepidoptera are distant from both the
ponds and artificial sites groups, while Neuroptera is completely separated along the positive portion
of the Dim 2 (not shown), probably due to their little contribution in diet diversity.

Microplastics were found in the stomach contents of newts inhabiting four sampling sites, namely
GSC, GSD, SVD and SVE. A sample for each type of microplastic found is represented in Figure 6.
Two net-like plastic fragments were found in the stomach flush of a newt sampled in GSD, measuring
3.7 mm and 3.1 mm, respectively (Figure 6a). Two textile-like fibres (out of many others found in all
the sampling sites) are shown in Figure 6b, measuring 1.8 mm (blue) and 1.2 mm (red). Finally, a blue
microplastic fragment (1.44 mm in size), was found in the stomach contents of a newt sampled in the
SVE trough along with a little (0.1 mm) yellow fragment (Figure 6c).
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Figure 5. Correspondence analysis for both prey items and chemical parameters measured in all
sampling sites. Blue circles: sampling sites, red squares: prey taxa and black triangles: physical and
chemical parameters.

To characterize these items, ATR-FT-IR analyses were carried out using a Perkin Elmer (USA)
Spectrum Two™ FTIR (PerkinElmer, Waltham, MA, USA) instrument equipped with the Attenuated
Total Reflectance (ATR) accessory with a single bounce diamond crystal. The microplastics were
analyzed at a 1 cm−1 resolution within the 4000–400 cm−1 range, with air used for the background
spectrum. A consistent force was applied using the pressure monitoring system integrated with
the instrument to maximize the spectrum intensity; the optimal number of scans was determined
by collecting the spectra of the plastic fragments. An increase in the quality of the signal-to-noise
ratio between 10 and 50 scans at a spectral resolution of 1 cm−1 was observed. After 50 scans, the
improvement in spectral quality was less evident, thus, all samples were collected at 50 scans.

Analyses by ATR-FT-IR spectroscopy enabled the identification of microplastics by detecting
absorbance bands. In Figure 7, the IR spectra of a fragment of polyethylene resulting from the analysis
of the blue item pictured in Figure 6c are reported, corresponding to the bands of absorbance intrinsic of
the stretching of C–H (3000–2770 cm−1) and the bending of C–H (1500–1450 cm−1) bonds. Additionally,
ATR-FT-IR measurements enabled the detection of bands attributed to the scissoring of C–H bonds
(750–700 cm−1).

The IR analysis of the fragments pictured in Figure 6a shows the characteristic bands of a medical
pressure-sensitive adhesive (spectrum in Supplementary Material Figure S1a). The fibres reported
in Figure 6b are probably part of mountain technical clothes. The analysis of the corresponding IR
spectrum (Supplementary Material Figure S1b) shows the presence of the typical bands of polyacrylic
polymers, although the signal-to-noise ratio is moderately low.

Finally, the chop of Figure 6c is likely to be a part of a plastic bottle cap, considering its polyethylene
composition revealed by the IR spectra.
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Figure 6. Microplastics found within Triturus carnifex stomach contents. (a) the biggest fragments found,
probably deriving from a medical patch; (b) blue and red fibres, probably deriving from mountain
clothes; (c) chop, probably deriving from a plastic bottle and very small yellow fragment (bottom) from
an undeterminable origin.

 

Figure 7. IR spectrum of the polyethylene chop (displayed in Figure 6c, above) found within an Italian
crested newt’s stomach contents.
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4. Discussion

The Italian crested newt exhibits a generalist diet [44,55,56], consuming a considerable variety of
preys [57]. In our samples, aquatic invertebrates presented the great majority of the collected preys;
the most predated taxa were Crustacea, followed by Diptera, with a neat prevalence of small-sized
prey items for both, while the others 17 taxa found in the stomach contents were less represented.

The study area has been used for centuries for grazing, and its management has been subject
to national regulation for at least 100 years [58]; while in the past the studied territory was mainly
pastured by sheep, nowadays cattle and horses represent the main grazers. This determines a change in
grazing management, since usually only sheep are looked after by the shepherd during the whole day
(personal field observations). The differences in the chemical and physical conditions observed in the
sampled sites may be the direct consequence of such kind of pasture management: in fact, while sheep
do not usually wade the ponds, cows and horses are frequently observed in them. Thus, ponds are
subject to livestock wading and defecation, determining an alteration of water quality, while drinking
troughs or tanks does not usually undergo these pressures [29,59]. This could explain the notable
differences between the natural sampled sites and the artificial ones, in terms of abiotic conditions.

The correspondence analysis permitted us to segregate two main groups. Sites showing good
physical and chemical parameters (i.e., the three artificial sites and the GSC pond) are associated
along the positive half of Dim 1 with taxa with narrow ecological tolerances to disturbance and
organic pollution (e.g., Odonata, Ephemeroptera and Trichoptera). Differently, GSD and SVB are
placed on the negative portion of Dim 1 and Dim 2 and are mainly associated with Crustacea, which
showed predominance in the diet of newts from these sites, leading to low prey diversity (Figures 3
and 4a). These two sites are part of a larger group comprising also GSA and GSB (as shown by the
correspondence plot), in which all sites are associated with ammonium, probably reflecting the ease of
livestock wading in these ponds. SVA, which shows low ammonium and high DO concentrations when
compared to the aforementioned sites, is distant from this group along Dim 2; this can be explained by
the low livestock density around this site (personal observation).

The controversial impact of grazing on amphibians’ communities is still debated, as reviewed by
Howell, Mothes, Clements, Catania, Rothermel and Searcy [29]; some studies highlighted the negative
effects of grazing on amphibians, e.g., [60,61], while others documented a positive or intermediate
response, due to the species-specific requirements of the target amphibians [62–64].

Based on our research, ponds, which represent typical habitats for the newts in grasslands of
karst plains and show high biodiversity in uncontaminated conditions [13], are negatively influenced
by livestock pressure, especially when they can be easily waded. Indeed, we found livestock
contamination altering the chemical and physical water parameters in ponds (e.g., low redox potential,
high ammonium and low DO); this can be related to the absence of highly sensitive taxa and the
consequent low number of different predated taxa per site.

Another important aspect is that the only water supply for these ponds derives from snow melting
and rain, resulting in a low rate of water replacement, especially during late summer, when the pasture
pressure increases.

On the other hand, the artificial sampling sites, notwithstanding their small extent, present a high
number of prey taxa, probably due to the constant water flow, which positively contributes to the high
quality of water in these sites. This is further confirmed by the presence of some taxa which exhibit a
reduced tolerance to the disturbances found in ponds, as also shown by the correspondence analysis.

Fossa di Paganica (GSC) is the only pond which does not follow this trend, showing conditions
similar to the artificial sampling sites; in fact, it presents the highest number of prey taxa among all sites,
and good chemical parameters. This could be explained by the large dimensions of the pond, which
allow for the buffering of the negative effects of cattle and horses wading and defecating. Furthermore,
the diffused presence of macrophytes found in GSC could favour macroinvertebrate diversity, as
already observed in other karst ponds [65]. This is reflected by the high number of prey taxa found in
this site, which could anyway be an underestimation of the total macroinvertebrate diversity.
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Notwithstanding the evidence of livestock contamination of ponds and the corresponding
influence on the number of prey taxa, the analysis of the Shannon H’ variations among the sites showed
that prey diversification for each newt is occasionally high if compared to the number of prey taxa per
sampling site (e.g., GSB and SVA, see Figure 4a).

Previous studies showed that the low diversity of available prey may hamper larval development,
due to low intake of dietary antioxidants [66,67] leading to reduced immune response capability and
mass growth [68]. Thus, we speculate that newts, also considering their generalist diet, may be led
to diversify their preys as much as possible, to integrate a possible lack of nutrients and avoid the
negative effects mentioned before.

Furthermore, amphibian feeding is also conditioned by interspecific competition [69], which
can be changed by the noticeable disequilibria found in most of the sampled sites, considering the
absence of invertebrate predators (sometimes also acting as preys), such as Coleoptera, Hemiptera
and Odonata.

In this work, we present the first European record of microplastics in amphibians’ stomach
contents and the first one ever recorded for Caudata.

While several studies about microplastics in marine ecosystems have been published in recent
decades [70], field studies examining their presence in freshwater ecosystems started only recently [71].
Despite both Caudata and Anuran being among the most threatened animal groups worldwide, the
only papers assessing the presence of microplastics in gut content referred to Anuran species [71,72].
Moreover, the previous records of microplastics in Anuran stomach contents were collected in
human-altered freshwater habitats, such as farmlands surrounding river deltas [72] and plantations [71];
on the contrary, we found evidences of microplastic ingestion in scarcely populated, high-elevation
territories, even covered by protected areas.

The chemical composition of the collected microplastics, emerging from the performed ATR-FT-IR
spectroscopy analyses, shows that they are associated to human activities carried out in mountain
environments, such as pastoralism and tourism; indeed, the majority of microplastic items are textile
fibres (Figure 6b). The presence of these fibres in sampling sites may be due to waste displacement by
the wind from the neighbouring roads and mountain retreats, or to livestock-related items, such as
horse bridles or cow tags.

While the effects of microplastic ingestion by amphibians have been already assessed in laboratory
studies with contrasting results [73,74], there is no information about the potential negative impacts on
amphibians’ communities in freshwater habitats.

5. Conclusions

High-altitude environments are nowadays proven to be very sensitive to ongoing environmental
changes; the alteration of their freshwater habitats leads to rapid and dramatic loss of biodiversity.
While, on one hand, pasture has shaped some peculiar environments for centuries, on the other hand
it may represent a serious threat if not correctly managed. Human presence has, in this case, a dual
role; it may cause a loss of diversity (e.g., unmanaged pasture) but it may also lead to the persistence
of amphibian populations, because of the construction of artificial watering points, which currently
host highly diverse communities. This is the very first assessment of the livestock-related detrimental
effects on newts’ diets in mountain karstic ponds; ongoing targeted sampling campaigns will enrich
the knowledge about these threats, which widely affect mountain ecosystems.

The unexpected discovery of microplastics in many stomach contents reinforces the alarm
about the ubiquitous plastic pollution of natural habitats, even in high-altitude protected territories;
it is thus worth conducting future targeted research about this emerging issue to properly adapt
conservation strategies.

Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4441/12/1/44/s1,
Figure S1: IR spectra of (a) medical pressure-sensitive adhesive and (b) fibres pictured in Figure 6a,b, respectively,
found within Italian crested newts’ stomach contents. Table S1: Sampled newts for each sampling site, number of
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different prey groups, Shannon H’, and total number of prey items found within the stomach content of each newt.
Table S2: Macroinvertebrates found within stomach contents for all the sampled newts within each sampling site.
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Abstract: We introduce a suite of software tools aimed at investigating multiple bio-ecological
facets of aquatic Groundwater Dependent Ecosystems (GDEs). The suite focuses on: (1) threats
posed by pollutants to GDE invertebrates (Ecological Risk, ER); (2) threats posed by hydrological
and hydromorphological alterations on the subsurface zone of lotic systems and groundwater-fed
springs (Hydrological-Hydromorphological Risk, HHR); and (3) the conservation priority of GDE
communities (Groundwater Biodiversity Concern index, GBC). The ER is assessed by comparing
tolerance limits of invertebrate species to specific pollutants with the maximum observed concentration
of the same pollutants at the target site(s). Comparison is based on an original, comprehensive
dataset including the most updated information on tolerance to 116 pollutants for 474 freshwater
invertebrate species. The HHR is assessed by accounting for the main direct and indirect effects on
both the hyporheic zone of lotic systems and groundwater-fed springs, and by scoring each impact
according to the potential effect on subsurface invertebrates. Finally, the GBC index is computed
on the basis of the taxonomical composition of a target community, and allows the evaluation of its
conservation priority in comparison to others.

Keywords: AQUALIFE software; groundwater dependent ecosystems; threats; biodiversity

1. Introduction

Groundwater dependent ecosystems (GDEs) are ecosystems whose biological structure and
ecological processes are directly or indirectly influenced by groundwater [1,2]. They may include
springs, wetlands, streams and rivers, hyporheic zones, lakes, coastal lagoons, and saturated aquifers
(also indicated as Subsurface Groundwater Dependent Ecosystems, SGDEs). Aquatic GDEs are known
to host a high biodiversity, including highly specialized, rare, and often narrow endemic species [3–5].
Preserving their biodiversity is therefore identified as a conservation priority [5–11]. Many GDEs,
and hence their biodiversity, are known to be at risk of impairment worldwide [4,7,10,12,13].

Some regulations for the protection of GDEs have recently entered in force in the Australian
subcontinent [14,15] and, to a lesser extent, in Europe [10]. Although these ecosystems are cited in
Annex II, Section 2, “Groundwater”, pt. 2.2. of the EU Directive 2000/60/EC [16], and later in the
Directive 2006/118/EC, also called Groundwater Daughter Directive [17], only a few GDEs have been
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included in Nature 2000 network or designated as Ramsar areas [18,19]. In the United States, a mosaic
of laws acts directly or indirectly towards the protection of groundwater and GDEs by controlling
contamination, managing conflicts among users, and quantifying abstraction but a comprehensive
governance is still missing [20,21]. Proposals for management and recovery of GDEs have been
advanced for particular situations, such as mining [12] and groundwater withdrawal [22]. However,
current proposals [10] for management actions remain quite vague and protocols to assess the impacts
of chemical and hydrological-hydromorphological threats on aquatic GDEs and their conservation
priorities are still lacking.

To cope with one of the major challenges of integrating scientific knowledge and environmental
management policy, the European Union Life + project “LIFE12 BIO/IT/000231—AQUALIFE”
developed a set of procedures and indicators for the assessment of aquatic GDE biodiversity and its
threats. The project implemented this set of procedures and indicators into the software suite called
“AQUALIFE Software” (hereafter, AS), which we introduce here.

The AS consists of a user-friendly online interface, and it is free to use (after registration) at:
http://app.aqualifeproject.eu.

2. Software Capabilities

AS allows users to compute a set of different metrics to evaluate the ecological risk,
the hydrological-hydromorphological risk, and the conservation priority of aquatic GDEs. The software
has been mainly developed using the Python programming language [23] in combination with the
Django web framework [24].

The target for the application of the software is, in principle, a set of monitoring sites and their
associated biological communities. The software was generated by assembling a rich biodiversity
dataset for selected GDEs in the Abruzzo region (Italy), which was chosen as a pilot area for AS
development. Users can use their own biodiversity datasets, together with the concentration of the
pollutants measured in their sites and, if working on the hyporheic habitat of streams and rivers or
groundwater-fed springs, the hydrological-hydromorphological impacts detected in their study sites.
All the AS outputs can be saved online, accessed, and downloaded at any later stage.

AS comprises three sections, namely: Ecological Risk (ER), Hydrological-Hydromorphological
Risk (HHR), and Conservation Priority Index (GBC). The first two focus on a particular aspect of the
GDEs’ vulnerability while the last one on the conservation value of GDE biodiversity. Each section
includes three subsections. The first subsection, I—Info, provides general information about the
rationale of the main section, as well as technical details regarding the associated computation
procedures. The second subsection, R—Risk for the first two sections and I—Index for the third section,
allows users to perform the analyses. Finally, the third subsection, H—History, allows users to explore
and access saved results from previous analyses.

In the following, we provide a detailed description of the different software sections. In doing
that, we mainly focus on the technical aspects of computation procedures and on practical aspects
of the user experience. Our aim is to provide stakeholders with enough information to start actively
using the software in a fully-conscious manner.

2.1. Section 1: Ecological Risk

The Ecological Risk (ER) quantifies the probability that chemicals produced by human activity
(hereafter referred as “pollutants”) harm the health status of a biological community inhabiting an
aquatic GDE [5,25–28]. Since chemical pollutants usually occur in mixtures in GDEs, ER is quantified
as in Equation (1) [29,30]:

ER = RQmix = ΣRQi = Σ
MECi
PNECi

(1)

where RQi is the risk posed by the ith pollutant in the mixture, MECi stands for the Measured
Environmental Concentration and PNECi for the Predicted No-Effect Concentration of the ith pollutant
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in the mixture. If more environmental concentrations are available for the ith pollutant, MECi of
Equation (1) is equal to the highest concentration measured by the user, to account for the worst-case
scenario [31]. PNECi is the concentration at which the ith pollutant is predicted to have no significant
detrimental effect on the GDE community [32]. PNECi is computed as follows [31]:

PNECi =
n
√

PNEC1 × PNEC2 × . . .PNECn (2)

where

PNECn =
LC50(EC50)

AFa
(3)

or
PNECn =

NOEC
AFb

(4)

PNECi is the geometric mean of PNECn where PNECn is the predicted no-effect concentration of
the ith pollutant on the nth taxon of a GDE community represented by n taxa [31,33,34]. LC50 (Lethal
Concentration 50%) and EC50 (Effect Concentration 50%) are the concentrations of the ith pollutant
producing, respectively, a lethal effect or a maximal effect, on 50% of individuals tested in short-term
trials (≤96 h) and NOEC (No-Observed Effect Concentration) is the concentration producing no
significant effects under long-term exposures (>96 h). AF is an assessment factor that reflects the
uncertainty in extrapolating PNECn values from laboratory toxicity tests [27], being AFa equal to 1000
and AFb equal to 100 [35,36]. If more than one LC50 and/or EC50 and/or NOEC values are available for
the nth taxon, the toxicity data are aggregated by computing their geometric mean [31].

AS provides an internal database of PNECs for 116 pollutants known to be potential threats to
GDEs; they were derived from 8806 toxicity values related to 474 taxa either found in GDEs or in
other freshwater habitats according to information availability (Tables S1 and S2). Toxicity data were
retrieved from the US EPA database ECOTOX “Aquatic Data” [37]. When unavailable, LC50 values
were estimated by US EPA ECOSAR v.2.0 [38]. We used the most updated literature to amend
errors (for example, wrong habitat attribution of the records, wrong attribution of the species to
the freshwater environment, and wrong species names) as well as to expand the AS database with
additional information (e.g., new toxicity data for freshwater species).

In freshwater studies, it is common to focus on tolerance limits of algae, macrophytes, invertebrates,
and small fish; however, to assemble the dataset used by AS, we focused only on invertebrates.
The rationale behind this choice stems from the circumstantial evidence that in aquatic GDEs there is
virtually no primary productivity (except for rare cases of chemoautotrophy [39]) and, as for Europe,
no underground fish are known.

AS assigns a risk magnitude and a color to ER based on five classes (Table 1), following the
assumption that, if RQmix > 1, an ER is expected [27,28].

Table 1. ER rating, magnitude and color per rank.

ER Rating ER Magnitude ER Color Ranking

0 ≤ RQmix < 1 no risk
1 ≤ RQmix < 10 low risk

10 ≤ RQmix < 100 medium risk
100 ≤ RQmix < 1000 high risk

RQmix ≥ 1000 very high risk

Because of the dominance of the crustaceans in certain GDEs (e.g., SGDEs), AS allows users to
select one out of two subsets of the toxicity database: (i) “crustacean species” (choice suggested for
SGDEs such as the saturated aquifers where crustaceans are the dominant group); or (ii) “freshwater
invertebrates” (choice suggested for springs and the hyporheic zone of streams and rivers, where also
non-crustacean species are present, and often with high abundances).
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The computation of RQmix by AS is straightforward. After loading the Ecological Risk page,
the user can select the pollutants from a drop-down list, enter the MECs for the pollutants detected in
the GDE sites under study, select one out the two subsets of toxicity database, and start the calculation
of RQmix by pressing the “RUN” button. After that, AS will provide the user with both the individual
PNEC values of the selected pollutants, and the RQmix value along with the ER magnitude and color.

AS allows the user to save the analyses and access them at a later moment. To do this, the user
will have to associate the analysis to a geographical location (either a location indicated in previous
analyses or a new one; in the latter case, the user will have to assign an arbitrary name to the locality
and will have the possibility to provide its geographical coordinates, in form of latitudinal/longitudinal
decimal degrees). An interactive map will show the position of the target site(s). After that, a “SAVE”
button will become available. The last step consists in attributing an identifier name to the analysis,
allowing its later retrieval. Saved analyses are accessible by the user in the History Page of the
Ecological Risk section. Clearly, users have personalized histories, and do not have access to other user
pages. Data from the History subsection can be directly exported to spreadsheet documents for being
processed outside the software environment.

2.2. Section 2: Hydrological-Hydromorphological Risk

The second section of AS aims at identifying and scoring potential risks posed by man-induced
alterations of the hydrological connectivity (Hydrological-Hydromorphological Risk, HHR) of specific
GDE types such as hyporheic zones of streams and rivers and groundwater-fed springs. We designed
our procedure taking as a model the Index of Morphological Quality and the Morphological Alteration
Index, two operational tools of the Italian “Hydromorphological evaluation system, analysis and
monitoring of rivers” named IDRAIM [40].

Several factors can potentially alter the hydrological connectivity of the subsurface habitats
from surface waters as well as from the underlying aquifer [41,42], critically influencing hyporheic
invertebrate communities [43–45]. Among them, important ones are alteration of streamflow dynamics,
changes in streambed and river banks structure and morphology, and reduction of streambed sediments
heterogeneity (i.e., colmation or clogging [46]), mainly arising from the presence of dams [42,47–49],
barriers, water derivation works, and groundwater overexploitation [21] (HHYC = altered habitat due
to hydrological changes [50]).

The presence of solid walls and/or embankments limiting permeability with the alluvial plain of
streams and rivers, concreted riverbed, presence of knick points in rivers, artificial riverbed aggradation,
channelization [51], clogging or colmation [52–54], artificial elevation of the riverbed, and removal of
perifluvial vegetation [55,56] may lead to an alteration of the vertical connectivity river/aquifer [48,57]
(HMOC = altered habitats due to morphological changes [50]).

Concerning groundwater-fed springs, alteration of the discharge in the eucrenal-hypocrenal of the
spring environment, and in the epirhytron (mountain streams) and alteration of the spring morphology
affect severely the crenocenosis and may also cause a disconnection between the spring and the
stream [58,59]. If the aquifer feeding the spring is overexploited, an alteration of the spring discharge is
expected [58,60–62]. Spring casing and/or concretion (piping, impoundment, and diversion of spring
flows), removal of riparian vegetation [63] for maintenance works are reflected in HMOC impacts,
such as alteration of the spring morphology with interruption of the spring/aquifer and spring/stream
connections, habitat losses, and changes in the nutrient dynamics after vegetation removal [64].

The computation of the HHR is based on the pressures generating effective impacts on
GDE invertebrate faunas, with a distinction between those insisting on the hyporheic zones
(Table 2) and those affecting springs (Table 3). The list of pressures has been compiled based
on expert judgment and is available in the INFO subsection of the main menu under the heading
“Hydrological-Hydromorphological Risk” (Tables 2 and 3), which includes a description of the pressures
and the indication of the impacts, along with the relative category (i.e., impacts altering habitats
due to hydrological changes (HHYC) and impacts altering habitats due to morphological changes
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(HMOC)) [50]. A cutoff of 10 (“at risk” vs. “no risk”) was identified as the threshold value of the
overall impact, which corresponds to the maximum partial impact score attributed to the alteration
of the river/aquifer connection exerted by different pressures, considering this alteration sufficient to
produce the disappearance of a GDE. All the scores assigned to each impact are stored into the AS.

Table 2. Relevant pressures and related impacts for hyporheic habitats. Pressures and impacts are as so
in the Guidance No. 35 of the Water Framework Directive Reporting Guidance 2016, Annexes 1b and
8n [50].

Relevant Pressures: Names and Descriptions Impacts: Names and Categories

Hydrological alteration
Abstraction or flow

diversion
Dams, barriers, and locks

Presence of transversal works
with reduction of discharge flow

rates (detention and/or
diversion, dams, weirs)

Alteration of discharge
flow rates

HHYC-Altered habitats due
to hydrological changes

Hydromorphological
alteration

Presence of transversal works
with reduction of discharge flow

rates (detention and/or
diversion, dams, weirs) limiting

sediment and woody debris
transport on riverbed

Alteration of the
longitudinal connectivity
in sediment and woody
debris in streams/rivers
benthic and hyporheic

zones

HMOC-Altered habitats due
to morphological changes

Abstraction or flow
diversion

Presence of solid walls and/or
embankments limiting

permeability with the alluvial
plain of streams and rivers

Alteration of the lateral
connectivity in

streams/rivers benthic
and hyporheic zones

Dams, barriers, and locks

Concreted riverbed, presence of
knick points in rivers or

channels where the longitudinal
(lengthways) slope of the bed
suddenly steepens (incision),

artificial riverbed aggradation,
clogging, overexploitation of

aquifers

Alteration of the vertical
connectivity
river/aquifer

Physical alteration of
channel/bed/riparian

area/shore
Artificially straightened channel

Morphological alteration
of the river stretch and

riverbed sediment
composition

Groundwater alteration
of water level or volume

Removal of perifluvial or
riparian vegetation

Increase of riverbank
erosion

Large woody debris removal Large woody debris
removal

For hyporheic habitats, most of the pressures are to be evaluated in a river stretch of at least
100 m upstream of the target site. As the effects of dams or river derivations can occur several tens of
kilometers downstream, the user will assess their effectiveness at the target site.

A similar set of criteria was adopted to assess the HHR for groundwater-fed springs, where the
main pressures are represented by hydrological alteration due to abstraction or flow diversion, dams,
or barriers downstream from the spring, which may determine HHYC and HMOC impacts (Table 3
and Table 5).

A score was assigned to each impact based on expert judgment, considering the deviation from
reference conditions of unmodified rivers or spring systems. Therefore, the score reflects the degree of
alteration of a GDE site related to a given pressure (Tables 4 and 5).
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Table 3. Relevant pressures and related impacts for groundwater-fed springs are as so in the Guidance
No. 35 of the Water Framework Directive Reporting Guidance 2016, Annexes 1b and 8n [50].

Relevant Pressures Impacts

Hydrological alteration
Abstraction or flow

diversion
Dams, barriers, and locks

Presence of transversal works
with reduction of discharge flow

rates (detention and/or
diversion, dams, weirs)
downstream the spring

emergence

Alteration of discharge flow
rate

HHYC–Altered habitats due
to hydrological changes

Overexploitation of aquifers Alteration of the vertical
connectivity

Physical alteration of
channel/bed/riparian

area/shore

Spring used for different
purposes or concreted at its

emergence

Morphological alteration of
spring habitats with loss of

the ecotonal nature of
GW-fed springs

HMOC–Altered habitats due
to morphological changes

Riparian vegetation removal

Habitat and microhabitat
losses, nutrient dynamics
alteration, current velocity

alteration

Table 4. Impact scores for hyporheic habitats.

Impacts Impact Score

Alteration of discharge flow rates 6
Alteration of the longitudinal connectivity limiting sediment and woody debris

transport on riverbed 4

Alteration of the lateral connectivity 3
Alteration of the vertical connectivity river/aquifer 10

Morphological alteration of the river stretch and riverbed sediment composition 6
Alteration of riparian vegetation 2

Lowering of woody debris storage in streams/rivers 1

Table 5. Impact scores for groundwater-fed springs.

Impacts Impact Score

Alteration of discharge flow rates 6
Alteration of the ecological features of the spring (e.g., change from rheocrenic to

limnocrenic spring as effect of damming) 4

Alteration of the vertical connectivity 10
Morphological alteration of spring habitats with loss of the ecotonal nature of

GW-fed springs 5

Alteration of the riparian vegetation, habitat and microhabitat losses, nutrient
dynamics alteration, current velocity alteration 3

The computation of HHR is performed by AS in two simple steps. In the first step, users are asked
to select the target habitat (either hyporheic or spring habitats).

Depending on this first selection, a pre-defined list of pressures and impacts becomes available,
that is either Table 2 or Table 3. The second step consists in choosing from this list the impact(s)
recorded at the target site (Table 4 or Table 5). After that, the “RUN” button leads the user to the results
window, which provides a risk score (Table 6), and a summary of the user selections.

Table 6. HHR rating, risk ranking, and color per rank.

HHR Rating Risk Ranking HHR Color Ranking

HHR < 10 no risk
HHR ≥ 10 at risk
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As for ER, results can be associated with a geographic location and stored in an internal database
that the user can access at any moment through the “History” subsection.

2.3. Section 3: Conservation Priority Index

The third section of AS allows the computation of three conservation indices: Sum of Species
Scores (SSS), Biodiversity Conservation Concern (BCC), and Groundwater Biodiversity Concern (GBC).
These indices aim at prioritizing GDE communities on the basis of their conservation importance.
Although species richness is an obvious criterion to select conservation priority areas, not all species
have the same conservation importance. For example, areas that host more imperiled species should
be considered more important [65,66]. However, estimating species extinction risk may be extremely
difficult, especially for less known invertebrates [67]. For this reason, there is increasing interest in the
use of rarity measures as a proxy for the extinction risk of invertebrates [68–70]. Rarity is a relative
and multidimensional concept, because a species can be more or less rare compared to other species
for various characteristics [71–73]. Once the rarity of a species has been assessed for the various
dimensions that are considered, this information can be used to obtain scores that express the overall
species’ conservation priority. Under these assumptions, AS uses a two-step protocol to assess the
conservation priority of GDEs based on invertebrate species. The first step consists in computing
the conservation priority of each species occurring in GDE sites based on selected species traits. The
second step is to compute site conservation indices using species scores.

The computation of the indices requires users to fill and upload: (1) a dataset where each species
(but other taxonomic units can be used) is associated with a set of traits that expresses its conservation
importance (the “Dataset” file must contain species in rows, traits in columns); and (2) a matrix of each
species abundance across the compared sites (if abundance data are not available, presence/absence
can be used) (the “Sampling” file must contain species in rows and sites in columns). Both need to be
provided to AS as spreadsheets (.xls). By processing these two input files, AS will compute both a
conservation score for each species in the dataset, and three conservation indices for each site (with
different scores of the GBC index being associated with different conservation priority categories).

Trait scores are attributed by the user to the collected species for five dimensions (geography,
ecology, biology, population, and evolutionary history), each divided into different traits (Table 7).
For each trait, the higher is the score, the higher is the species’ conservation importance. Different
traits have different score ranges. For example, in the “Geography” dimension, the trait “Degree of
Endemicity” can obtain a score from 1 to 4, while the trait “Extent of occurrence” can obtain a score
from 1 to 7 [74].

Table 7. Traits and their scores used to calculate the Conservation Priority Index.

Dimension Trait Score Range

1. GEOGRAPHY Extent of occurrence 1–7
Degree of endemicity 1–4

2. ECOLOGY Degree of GW dependence 1–5
Ecological specialization to GW 1–3

Size of ecological niche 1–5
Tolerance to variation of climatic parameters 1–5

Microhabitat preferences 1–5

3. BIOLOGY Trophic role 1–5
Life time span 1–3

4. POPULATION Frequency 1–4
Abundance 1–4

5. EVOLUTIONARY HISTORY Evolutionary origin 1–3
Phylogenetic rarity 1–5
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Except for “Frequency” and “Abundance”, which are calculated by AS, scores for the other
traits are assigned to each species present in the dataset by the user on the basis of the best available
information. Thus, these scores are based on expert judgment. Frequency and Abundance scores are
calculated by AS using site data because these traits are not species-specific, but site-specific (the same
species may show different population characteristics at different sites). “Frequency” is given by AS
calculating first the frequency of occurrence of each species across the total number of studied sites,
and then by attributing to each species a score (from 1 to 4) based on quartiles (with score 1 assigned to
species falling above the third quartile, which are the most widely distributed species, and score 4
assigned to species with frequency below the first quartile, which are the species with the narrowest
distribution). The “Abundance” trait is computed by AS in a similar way: relative abundance is
computed for all species, and then to each species is attributed a score (from 1 to 4) based on quartiles.
If abundance data are not available, and only presence/absence data are used, this trait is automatically
excluded from calculations.

Trait scores (assigned to each species by the user) belonging to the same dimension are multiplied
by AS to obtain a synthetic score for each dimension. Once this operation has been made for all the
species in the dataset, a distribution of synthetic scores becomes available for each dimension. These
synthetic scores have different ranges. For example, the score for Dimension 1 (Geography) may vary
between 1 and 28 (for a species that ranked highest for the two traits included in this dimension), while
the score for Dimension 2 (Ecology) may vary between 1 and 1875 (for a species that obtained the
maximum score for each of the five traits included in this dimension). For this reason, scores resulting
from multiplications are divided using quartiles, and values falling within the same interquartile range
receive the same score, ranging from 1 (values below the first quartile) to 4 (values above the third
quartile). The use of quartiles to rescale original products into four classes with integer values (i.e., 1, 2,
3, and 4) was adopted in AS to make dimensions comparable. After the quartilization of products,
the new scores are summed up to obtain the overall species score. This sum of scores (which can
theoretically range from 5, for a species which scored 1 for all five dimensions, to 20, for a species
which scored 4 for all dimensions) is rescaled to vary between 1 and 4 by simply dividing by 5. In this
way, each species receives a score represented by a value varying between 1 and 4 (SS, Species Scores).

AS generates and uses the SS scores to compute three distinct site-specific indices, and particularly:
(1) Sum of Species Scores (SSS) normalized between 0 and 1 using the formula (Equation (5)):

SSSrescaled = (SSS − SSSmin)/(SSSmax − SSSmin) (5)

with SSSmin and SSSmax being, respectively, the minimum and maximum SSS scores recorded across
all studied sites.

(2) Biodiversity Conservation Concern (also varying between 0 and 1) (Equation (6)):

BCC = (SSS/N − 1)/(SSmax − 1) (6)

where N is the total number of species present in a site and SSmax is the maximum value of the SS values.
(3) Groundwater Biodiversity Concern (GBC) computed as the mean of SSSrescaled and BCC.

GBC values are finally used to identify different priority classes (Table 8).

Table 8. GBC rating, priority ranking and color per rank.

GBC Rating Priority Ranking GBC Color Ranking

0 ≤ GBC ≤ 0.2 very low priority
0.2 < GBC ≤ 0.4 low priority
0.4 < GBC ≤ 0.6 medium priority
0.6 < GBC ≤ 0.8 high priority
0.8 < GBC ≤ 1 very high priority
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After uploading the files including the table of species scores for each trait, and the matrix of
species occurrences/abundances, by pressing the “RUN” button users will be prompted to the results
page, which will include both the individual species scores of all species included in the analysis, as
well as the site-specific scores, including the raw and rescaled SSS, the BCC, and the GBC (together
with the corresponding conservation priority class).

As for the previous sections, users can save all their results, access them at any moment, and export
them for additional analysis outside the AS.

3. Example of Application: The Hyporheic Zone of the River Sagittario

To understand the main outputs of AS, namely ER, HHR, and GBC, six hyporheic sites (ABRO86/3S,
ABRO87/3S, ABRO88/3S, ABRO89/3S, ABRO90/3S, and ABRO91/3S; Figure 1) of the River Sagittario
(Italy) were selected from the AQUALIFE network of sites (Tables S3–S5). The River Sagittario in
the Sulmona plain is among the most altered rivers in central Italy [75], thus representing a model
environmental system for assessing the effects of different types of pressures on hyporheic biodiversity.
At each site, we performed two temporal surveys, namely in December 2014 (winter) and in June
2015 (summer). Hyporheic samples were collected pumping 10 L of interstitial water by a membrane
pump connected to steel pipes screened at −40 cm deep and filtered through a 60 μm hand net. Faunal
samples were preserved in a 70% alcohol solution. In the laboratory, specimens were sorted under a
stereomicroscope at 16× magnification and identified to the lowest taxonomic level possible using
a LEICA M205C stereomicroscope. Based on the human activities carried out in the catchment of
the River Sagittario, 108 chemicals (including N-compounds, phosphates, metals, volatile organic
compounds, and pesticides) were analyzed per each sample taking a 2 L volume. The concentrations
of most chemicals (101 out of 108) were below the limit of detection. The MECs of the seven chemical
compounds out of 108 (namely, nitrites, nitrates, sulfates, chloride, phosphates, ammonium, andαHCH)
exceeding the limits of detection are reported in Table S3. The hydrological-hydromorphological
impacts affecting the GDE sites are reported in Table S4. Overall, 58 invertebrate taxa were identified
(Table S5) and the trait scores, used by AS to calculate the GBC index, were assigned (Table S5). The
invertebrate assemblages were mostly composed by stygobionts or species highly dependent on
groundwater (Table S5; see the column “Ecological specialization to GW”). AS was run for each site
and the results are summarized in Table 9 and Figure 1. The ER outputs revealed that all sites were at
medium risk along the whole river sector (Table 9). No hydrological-hydromorphological risk was
reported for the upstream sites ABRO86/3S and ABRO87/3S (HHR < 10) while the four remaining
downstream sites showed an HHR > 10 (Table 9). Finally, the highest GBC value (GBC = 0.667) was
reached in ABRO86/3S where medium ER (RQmix = 58.85) and HHR = 6 (no risk) were calculated by
AS. In the remaining sites the GBC was in the range very low–medium. The lowest GBC (GBC = 0.172)
was assigned by AS to the site ABRO89/3S with low species richness, medium ER (RQmix = 72.10),
and HHR = 13 (at risk) (Table 9 and Figure 1). The application of AS to the River Sagittario has
highlighted that the hyporheic zone has only one site with a significant conservation importance. The
GDE assemblages experience a medium risk due to pollution of a limited number of substances in all
sites, while the hydrological-hydromorphological alteration of the GDE sites under study occurs only
in the most downstream sites. This scenario requires management choices that are discussed in detail
in the next paragraph.
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Figure 1. Sampling sites (white circles) of the hyporheic zone of the River Sagittario. Color-coded
circles are used to indicate the ranks of the ecological risk (ER), the hydrological-hydromorphological
risk (HHR), and the groundwater biodiversity concern index (GBC).

Table 9. AS outputs for ER (Environmental Risk), HHR (Hydrological-Hydromorphological Risk) and
the conservation priority indices (SSS, Sum of Species Scores; SSS rescaled, Sum of Species Scores
rescaled; BCC, Biodiversity Conservation Concern; GBC, Groundwater Biodiversity Concern) for the
example of application in the hyporheic zone of the River Sagittario (Italy).

Sampling
Site

ER
(RQmix)

ER
Ranking

HHR
HHR

Ranking
SSS

SSS
Rescaled

BCC GBC
Priority
Ranking

ABRO86/3S 58.85 medium 6 no risk 16 1 0.333 0.667 high
ABRO87/3S 83.75 medium 6 no risk 13.8 0.421 0.324 0.372 low
ABRO88/3S 32.11 medium 28 at risk 15 0.737 0.381 0.559 medium
ABRO89/3S 72.10 medium 20 at risk 12.2 0 0.344 0.172 very low
ABRO90/3S 51.22 medium 16 at risk 13.6 0.368 0.314 0.341 low
ABRO91/3S 49.05 medium 15 at risk 13.8 0.421 0.324 0.372 low

4. Discussion

The introduction of the concept of GDE in the context of the Water Framework Directive and
the subsequent issuing of specific guidelines have certainly represented a considerable advancement
in the protection of aquatic and, in particular, groundwater dependent ecosystems [10]. Due to
their communicative effectiveness, scores and color-coded maps have been strongly recommended
by legislations worldwide to illustrate the ecological status, the risk, and the monitoring network
of water bodies [16]. In fact, scores and colors are intuitive and of immediate understanding even
for non-experts and have the advantage of making people aware of information that has been long
confined to technicians.

AS provides a user-friendly toolkit to assess (i) the risk effectively or potentially posed to the
GDE communities by chemical pollutants; (ii) the hydrological-hydromorphological risk (available
for ecotonal GDEs, such as hyporheic zones and groundwater-fed springs); and (iii) the conservation
priority of GDE sites based on the community composition. Due to its structure and, above all, thanks to
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the outputs that are given in scores and color-coded maps, AS fully meets the requirements of intuitive
communication of the legislations.

In AS, each index may work either alone or in conjunction with the others, without the limitations
of single-function applications. AS creatively addresses also a risk scale for the ecological risk, based
on the RQmix rating, thus allowing the user to measure how far each site is from the condition of “no
risk”. This graded scale of risk, even if not provided for by any international regulation, allows the
user to make an informed choice on which sites require priority recovery and which do not. ER has
more classes (five) than HHR (two). This is due to the higher level of knowledge that is available
for the ecological risk compared to the hydrological-hydromorphological risk for which scoring is
available only for surface water bodies, thus preventing a fine-tuning of the HHR scoring for the GDEs.
On a regulatory basis, water bodies are still divided in at risk vs. not at risk, but a further division in
classes of the ecological risk is possible ([27] and references therein).

The major advantage of the software is that of providing integrated information. The integration of
the most commonly assessed ecological risk with the hydrological-hydromorphological risk is certainly
a key-point of AS. In fact, through the HHR index, it is immediately evident to the user that chemical
pollution is not always the main factor of GDE degradation. In fact, the greatest impact on GDEs is
often due to human activities such as river bed reshaping, grinding, bank defenses, embankments,
coatings, burial, vegetation cutting, etc. The attention paid by AS to the physical components of GDEs
makes it possible to broaden the horizon of the management measures of protection and recovery [56].
We recommend computing ER along with HHR, because hydrological and hydromorphological
impacts occurring in the river channels or groundwater-fed springs can lead to an increasing pollutant
concentration both in the hyporheic zone or in spring water and in the feeding aquifers. For instance,
areas with intensive agriculture, where a massive riparian vegetation removal has been practiced
along river banks, are characterized by higher concentrations of nitrates and ammonium, mainly in the
hyporheic zone [26,76] and in the SGDEs, i.e., the saturated aquifers [31,76,77]. The third tool of AS
allows the assessment of the conservation priority of sites on the basis of the uniqueness of the species
collected in aquatic GDE (and SGDE) sites. This set of indicators (SSS, BBC, and GBC) may work in
combination with ER and HHR, based on the assumption that the higher the ER and HHR scores, the
higher the risk of biodiversity loss, especially for the most sensitive species. This assumption is not
necessarily true, since many variables come into play to define whether a given site is permanently
disturbed or not. Furthermore, individual sites are often interconnected, for example if they belong to
the same aquifer, or to the hyporheic zone of the same river, thus ensuring a recolonization of perturbed
sites from unpolluted aquifer sectors or hyporheic stretches [78].

AS can support European Member States in the preparation of the GDE management plans under
the EU Directive 2000/60/EC [16]. Every six years (duration of a management plan) all Member States
must indicate the GDEs at risk or not at risk and the related management measures. The actions
concern: (i) a new census of anthropic pressures; (ii) a monitoring program, which can be distinguished
in surveillance monitoring (which applies exclusively to not-at-risk GDEs) and operational monitoring
(which applies to at-risk GDEs); and (iii) protection measures involving interdictions of impactful
human activities in the entire GDE or part of it. The list of pressures must be updated every six
years, regardless of the risk conditions of the GDE. The choice between the types of monitoring
programs has profound economic impact. Surveillance monitoring is largely sustainable because it
can be performed only in one point of a given GDE, on basic physico-chemical (e.g., pH, electrical
conductivity, and nitrates) and hydrological-hydromorphological parameters (e.g., flow rate, water
level, damming, etc.) and with a frequency of one time every six years. On the other hand, the
operational monitoring is much more expensive because it involves a significant number of sites and
parameters and a frequency of at least once a year for the entire duration of the management plan. In
addition, protection measures are often required in at-risk GDEs. To facilitate decision-makers in the
choice of the type of monitoring program, we propose to refer to the individual values of the indicators,
as shown in Table 10, where ER and HHR provide indications for the type of monitoring and GBC for
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the protection measures. Based on this rationale, if ER and HHR indicate that the GDE site is not at
risk, the monitoring must be based on surveillance pursuant to the EU Directive 2000/60/EC [16] and
no protective action is required regardless of the conservation value of the GDE. If, instead, ER and
HHR indicate that the GDE is at risk, the monitoring must always be operational, both for the chemical
and hydrological-hydromorphological parameters, but the protection actions may be necessary only at
certain risk values. For example, protection measures are not necessary if GBC = 0.7 (High Priority)
and ER = 9 and HHR < 10. The cases in which AS shows its full utility is when ER does not indicate risk
but HHR does (or vice versa). In this case, the monitoring must be operational only for the chemical
(or hydrological-hydrogeological) parameters, with a relative cost containment. The study case of the
hyporheic zone of the River Sagittario allowed the application of the ER and the HHR together with
the GBC (Figure 1). Based on the obtained results, the River Sagittario basin management plan should
take into account primarily the restoration of the connectivity between river flowing waters and the
underlying aquifer via the hyporheic zone to preserve benthic and hyporheic fauna and the ecosystems
services they provide. Four sites out of six were at hydrological-hydromorphological risk for the
presence of a dam, water diversion for agriculture, presence of solid walls and/or embankments limiting
permeability with the alluvial plain, channelization, artificially straightened channel, and artificial
elevation of the riverbed. According to Table 10, the monitoring of the chemical-physical parameters
should be operational in all sampling sites while that of the hydrological-hydromorphological variables
should be operational in four sites out of six, being based on surveillance in the remaining two sites.
Finally, the GBC index indicated that protection measures are required for just one site out of six,
namely ABRO86/3S.

Table 10. Decision-making table. Surveillance (SMPs) and operational monitoring program (OMPs)
and protection measures (PMs) are indicated according to the values of ER, HHR and GBC indices.

ER Values
ER

Monitoring
Measures

HHR Values
HHR

Monitoring
Measures

GBC Values Measures

0 ≤ RQmix < 1 SMPs HHR < 10 SMPs 0 ≤ GBC ≤ 0.2 No PMs

1 ≤ RQmix < 10 OMPs HHR ≥ 10 OMPs 0.2 < GBC ≤ 0.4 PMs if RQ ≥ 1000
and HHR ≥ 10

10 ≤ RQmix < 100 OMPs 0.4 < GBC ≤ 0.6 PMs if RQ > 100
and HHR ≥ 10

100 ≤ RQmix < 1000 OMPs 0.6 < GBC ≤ 0.8 PMs if RQ > 10 and
HHR ≥ 10

RQmix ≥ 1000 OMPs 0.8 < GBC ≤ 1 PMs if RQ > 1
and/or HHR ≥ 10

From the 2000s until today, other valid tools for assessing the ecological and environmental health
in GDEs (but not their conservation values) were presented. For instance, the GW-Fauna-Index [79]
was the first attempt to classify GDEs (hyporheic zones and alluvial aquifers) in terms of ecologically
relevant conditions using factors which best correlated with stygofauna, namely detritus, temperature,
and dissolved oxygen. In 2019, an approach based on three microbiological parameters (prokaryotic
cell density, prokaryotic intracellular ATP concentrations, and assimilable organic carbon) was
proposed as an integration of the existing routine of GDE monitoring [80]. A single index value
obtained from multivariate analyses of the microbial parameters proved to best discriminate between
disturbed (organic contamination with hydrocarbons, surface water intrusion, and agricultural
activities) and undisturbed alluvial aquifers [80]. A more structured and comprehensive framework for
measuring GDE health is the Groundwater Health Index (GHI) [81,82] that was presented in 2011 and
successively refined in 2017. Relying upon a combination of microbial, stygofaunal, water chemistry,
and environmental indicators, GHI can discriminate three distinct ecosystem health classifications,
namely “similar to reference”, “mild deviation from reference”, and “major deviation from reference”.
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Other tools were presented to preserve biodiversity of GDEs based on their conservation value (but
not on their quality status). A conservation strategy to minimize the risk of groundwater biodiversity
loss due to human activities in European GDEs was proposed by designing a network of reserve areas
that collectively include most groundwater species [8]. Three area selection methods (species richness
hotspots, endemism hotspots, and complementarity) were proposed to preserve 1059 groundwater
species of hyporheic zones, springs, and alluvial and karst aquifers in six European regions. Compared
to the aforementioned tools, AS offers high flexibility, and can be used, depending on the user needs,
in different GDEs and at different spatial scales. In addition, AS is the only available tool that
calculates the chemical and hydrological-hydromorphological risks faced by GDEs along with their
conservation priority.

However, along with the merits, AS faces also some methodological limitations such as
those related, for example, to the number of pollutants for which AS provides the PNECs.
Emerging contaminants, such as pharmaceutical compounds, are not represented in the internal
database. The HHR index is currently applicable only to ecotonal GDEs, such as hyporheic zones and
springs. A HHR for the aquifers (that takes into account quarries, for example, waste materials from
stone processing, and the widespread phenomenon of fracking) is still missing. Finally, the scores
assigned to each impact are based on expert judgment, which will be potentially tuned with the
advancement of knowledge on the GDE functioning and the relative impacts. For this reason, AS will
likely be useful for the authorities in charge of GDE management; however, the version presented here
should be considered a preliminary workbench toward an appealing refinement of the software itself.

5. Conclusions

The purpose of this paper is to present the AQUALIFE software, which is the main product of the
AQUALIFE project. AS consists of a user-friendly online interface, and is free to use (after registration)
at: http://app.aqualifeproject.eu. AS is a relatively fast, economical tool of investigation that can be used
by operators with basic knowledge of aquatic ecosystems dependent on groundwater and that, through
training courses, can complete their knowledge and acquire the necessary experience. AS allows the
user to assess the conservation priority of GDEs based on species conservation importance along with
chemical and hydrological-hydromorphological risks. Thanks to its novelty, AS has the potential to
become a user-friendly standard tool not only for researchers, but also for practitioners and decision
makers. The scientific awareness of the existence of a unique biodiversity in the GDEs (and SGDEs) and
the role it plays in terms of ecosystem services has not had any impact on the perception and cognition
of this reality at the regulatory level; in this regard, AS acts as a tool for ensuring communication
between scientists and end-users of environmental information. Being effective both for the calculation
of conservation priorities and in terms of potential impact assessment, AS represents a profitable tool
to set up appropriate policies to achieve concrete GDE improvement results.

Supplementary Materials: The following materials are available online at http://www.mdpi.com/2073-4441/11/
12/2574/s1, Table S1: PNECs calculated for 116 pollutants; Table S2: PNECs calculated for 474 species and 116
pollutants; Table S3: Input data for the calculation of ER and HHR in six sites of the River Sagittario (example
of application); Table S4: Species abundances for the calculation of the GBC in six sites of the River Sagittario
(example of application); Table S5: Species scores for the calculation of the GBC in six sites of the River Sagittario
(example of application).
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