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Abstract: Equilibrium sampling devices can be applied to study and monitor the exposure and fate of hydrophobic organic chemicals on
a thermodynamic basis. They can be used to determine freely dissolved concentrations and chemical activity ratios and to predict
equilibrium partitioning concentrations of hydrophobic organic chemicals in biota lipids. The authors’ aim was to assess the equilibrium
status of polychlorinated biphenyls (PCBs) in a contaminated lake ecosystem and along its discharge course using equilibrium sampling
devices for measurements in sediment and water and by also analyzing biota. The authors used equilibrium sampling devices (silicone
rubber and polyethylene [PE]) to determine freely dissolved concentrations and chemical activities of PCBs in the water column and
sediment porewater and calculated for both phases the corresponding equilibrium concentrations and chemical activities in model lipids.
Overall, the studied ecosystem appeared to be in disequilibrium for the studied phases: sediment, water, and biota. Chemical activities of
PCBs were higher in sediment than in water, which implies that the sediment functioned as a partitioning source of PCBs and that net
diffusion occurred from the sediment to the water column.Measured lipid-normalized PCB concentrations in biota were generally below
equilibrium lipid concentrations relative to the sediment (CLipÐSed) or water (CLipÐW), indicating that PCB levels in the organisms were
below the maximum partitioning levels. The present study shows the application versatility of equilibrium sampling devices in the
field and facilitates a thermodynamic understanding of exposure and fate of PCBs in a contaminated lake and its discharge course.
Environ Toxicol Chem 2015;34:2463–2474. # 2015 SETAC
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INTRODUCTION

Environmental monitoring of pollutants by passive samplers
(among them, equilibrium sampling devices) is strongly
evolving and has recently found new applications within
exposure assessment. The deployment of equilibrium sampling
devices is useful because equilibrium concentrations in the
samplers can be translated into freely dissolved concentrations
(Cfree), which is a parameter that describes bioavailability [1–5].
Furthermore, the weight of evidence in the scientific literature
proves that (equilibrium) passive sampling performs better than
traditional methods for environmental monitoring of hydropho-
bic organic chemicals in terms of versatility and utility [6,7].

Various passive sampling devices have been applied in the
laboratory and in the field to measure concentrations of
hydrophobic organic chemicals in various matrices, such as
soil, sediment, water, and biota tissue. Such devices include
solid-phase microextraction (SPME) fibers and silicone-coated
glass vials [2,8–10]. Moreover, low-density PE [11,12],
polyoxymethylene devices [13–15], ethylene vinyl acetate
films [16], and silicone microtubes [17] have been used for

passive sampling. Furthermore, refinements such as thin
polymer layers and in vivo sampling of biota have increased
the applicability of passive samplers, and new methods have
been developed especially for predicting equilibrium partition-
ing concentrations of hydrophobic organic chemicals in model
lipids [2,17,18–23].

In a recent equilibrium sampling study [9], SPME was
applied in the headspace above polychlorinated biphenyl
(PCB)–contaminated sediment. When thermodynamic equilib-
rium between the polymer as sampling phase and sediment was
achieved, equilibrium partitioning concentrations in the
polymer (CPolÐSed) were measured. Subsequently, these
concentrations had been translated into equilibrium partitioning
concentrations in model lipid phase (CLipÐSed) using external
calibration standards in olive oil. This provides a lipid
concentration estimate for a hypothetical lipid–sediment
equilibrium. Estimated CLipÐSed values were higher than actual
measured lipid-normalized concentrations (CLip,Bio) of native
sediment-dwelling invertebrates [9], possibly because of
metabolization of the chemicals and a higher sorptive capacity
of storage lipids compared with membrane lipids [18,24]. An
organism may be in disequilibrium with its environment for
several reasons, including slow uptake kinetics of hydrophobic
organic chemicals, biomagnification, or biotransformation.
Disequilibrium of organochlorines between sediment and fish
was also observed in studies in the Baltic Sea [2] and a
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freshwater lake [25,26]. The disequilibrium was apparent
whether the evaluation relied on passive sampler–derived
chemical activities or the concentrations normalized to fish lipid
and sediment organic carbon. According to the authors, such
disequilibrium may have arisen because of a slower response of
the sediment compartment, relative to air andwater, to declining
PCB levels. Furthermore, another study found that bioaccumu-
lation of polyaromatic hydrocarbons (PAHs) and PCBs in native
mussels was determined by interactive effects of sediment and
overlying water [25]. It was concluded that the influence of both
phases should thus be taken into consideration to estimate
bioaccumulation by benthic organisms. However, sediment-
dwelling organisms might be exposed to rather stable
concentrations within the sediment. Consequently, when
estimating thermodynamic equilibrium concentrations in lipids
in such an approach, the different partitioning phases (e.g.,
sediment and water) should be considered, as well as when
addressing and predicting bioaccumulation in general.

The equilibrium status between an organism and its
environment can be measured in controlled laboratory tests
using multiple sampling times but is difficult to determine for
biota from the field because the choice of the main exposure
medium, uptake routes, and kinetics relies on assumptions and
because the determined equilibrium status will remain
hypothetical. Nevertheless, the approach of calibrating equilib-
rium concentrations in equilibrium sampling devices (CPolÐSed

and CPolÐW) against equilibrium partitioning concentrations in
lipids can facilitate equilibrium assessment because such
estimated lipid concentrations can provide a thermodynamic
reference for evaluating actual biota concentrations [9].

In the present studywe applied equilibrium sampling devices
in the field to derive thermodynamic equilibrium partitioning
reference levels for PCBs in biota lipids. A comparison of CLip,

Bio with CLipÐSed allows us to distinguish 3 scenarios: 1) CLip,Bio

� CLipÐSed, which is the case if organisms are in equilibrium
with the sediment and bioconcentration (passive diffusion of
freely dissolved chemical) is dominated by partitioning of
hydrophobic organic chemicals into lipids; 2) CLip,Bio >
CLipÐSed, which would indicate biomagnification or protein
binding; 3) CLip,Bio < CLipÐSed, which is the case when
organisms are in the kinetic uptake phase, biotransformation
dominates, or partitioning processes hamper equilibration.
Several of these processes also can occur simultaneously.

The first aim of the present study was to estimate the
equilibrium status of PCBs at different sites within a
contaminated lake ecosystem, which included the following
steps: 1) applying the silicone-coated glass jars as equilibrium
sampling devices for sediment; 2) exploring 2 types of
equilibrium sampling devices in water; 3) deriving CLipÐSed

and CLipÐW; 4) comparing CLipÐSed and CLipÐW with CLip,Bio

from exhaustive extraction; and 5) conducting uptake experi-
ments with caged mussels and benthic worms. Furthermore,
chemical activities and chemical activity ratios were calculated.
The second aim was to investigate the discharge of PCBs
downstream of the historically contaminated lake sediment for
assessing the distribution of the contamination.

MATERIALS AND METHODS

Chemicals

Standards for PCB congeners 18, 28, 31, 44, 49, 52, 101, 105,
110, 118, 138, 149, 151, 153, 156, and 180 (International Union
of Pure and Applied Chemistry enumeration) were purchased
from Labor Dr. Ehrenstorfer-Sch€afers. We used PCB 30 as an

internal standard. The solvents (analytical grade) were
purchased from Lab-Scan Analytical Sciences, and granular
anhydrous sodium sulfate (J.T. Baker) was dried prior to use at
450 8C for 2 h.

The sampling sites

The study area, the main lake basin of Lake Kernaalanj€arvi
(6085202500N, 2483603000E) in southern Finland, was contami-
nated by discharges of PCB oils from a paper mill between
1956 and 1984 [27]. The surface area of Lake Kernaalanj€arvi
(site 2) is approximately 4.4 km2, and that of the contaminated
sections of River Tervajoki (site 1) is approximately 0.5 km2.
Sampling was performed at 6 different field sites (Figure 1):
sites 1 to 5 are the sampling stations downstream (�3 km,
5 km, 10 km, 13 km, and 22 km) from the historical source of
PCBs, and site 6 is a reference site, approximately 1 km
upstream from the contaminated area. Bioavailability and
trophic transfer of PCBs in the study area [9,28] as well as
PCB toxicity [29] have been studied previously. The findings
of the recent study [28] led the Finnish authorities to
recommend consumption limits on several fish species from
the lake [30].

Ex situ equilibrium passive sampling of sediment

Surface sediment samples (�5–7 cm depth) were collected
from each sampling site on 5 May 2010 using an Ekman dredge
and stored at 4 8C in darkness until analysis. At the southern end
of Lake Kernaalanj€arvi (site 2), samples were taken from 5
sampling locations and pooled to account for spatial differences
in the PCB contents of the lake sediment. At all the downstream
sampling sites, sediment was collected from a single sampling
spot. An equal amount of sediment was collected from each
location (�30L). Silicone-coated glass jars [8] were used for
equilibrium passive sampling of PCBs from the sediment [2,9].
This sampling method had initially been developed for PAHs in
soils [8] and was later modified for the equilibrium sampling of
PCBs from sediment [9].

In situ passive sampling of water

The overlying water column was sampled with 2 different
equilibrium sampling devices in 2010. A time series experiment
with multiple sampling times was undertaken to assess the
sampling kinetics and measure the equilibrium concentration of
PCBs in the equilibrium sampling devices. Several PE sheets
(0.926 g/mL, thickness of 30mm; Ab Rani Plast Oy) and
silicone-coated fabric BiscaSil7W (Biscor) were cut in
5� 100 cm and 10� 30 cm pieces, respectively. BiscaSil7W
(referred to as “Biscasil” hereafter) is a 90-mm-thick glass fiber
fabric with a 60-mm silicone coating on each side (i.e., total
thickness of 210mm). Before use, the PE sheets were precleaned
according to Adams et al. [11], and Biscasil sheets were washed
3 times for 2 h each with excess ethylacetate under constant
shaking. Solvents were then completely evaporated off the
sheets in a fume hood, and the sheets were stored immersed in
MilliQ water in glass jars until use.

For exposure at the field sampling sites, the sheets were
secured into approximately 40� 25� 25–cm metal cages
using metal wire, and the cages were hung from buoys at
approximately 1 m depth in the water column. The water
column depth varied between 3m and 5m between the sites of
water sampler deployment. Several cages were used to
provide enough space for the sheets to be constantly exposed
in the free water flow. A time series experiment with multiple
sampling times was performed to measure the equilibrium
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concentration of PCBs in the equilibrium sampling devices.
Deployment of the samplers was started simultaneously with
the water sampling on 5 May 2010, and samples were
collected 4 times during the present study period: after 28 d,
98 d, 147 d, and 181 d. At each sampling event, 3 to 6
replicate sheets of each sampling material were taken from
each sampling site, and sheets were put in 200-mL glass jars,
which were filled with water from the sampling site. The

sheets were stored for approximately 2 mo to 5 mo in 4 8C in
darkness until analyzed.

In situ mussel exposure

Several mussels (Anodonta piscinalis) were collected from
uncontaminated lake and incubated in an aquarium with clean
water without feeding for 2 wk. After that, a composite sample
of 7 mussels was collected for analysis of the background

Figure 1. Map of the sampling area and the sampling sites (1–6). The historical source of polychlorinated biphenyl oils is indicatedwith the star, and the direction
of water flow of each main river is shown with arrows. Site 1¼River Tervajoki; site 2¼Lake Kernaalanj€arvi; site 3¼Turenki; site 4¼River Hiidenjoki; site
5¼Lake Miemalanselk€a; site 6¼River Puujoki (reference site).
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concentration of PCBs. The rest of the mussels were then
exposed in the overlying water column of Lake Kernaalanj€arvi
(site 2) for 2 mo in June to July 2010. Mussels were placed in
plastic traps, which were anchored at a depth of 1m following
the procedure described by Herve et al. [31,32]. Fifteen mussels
were sampled after 1 mo and 2 mo of exposure. Both batches
were divided into 2 subsamples (7 and 8 mussels each) and
analyzed for PCBs and total lipids with the methods described
by Herve et al. [33].

Extraction of PCBs from equilibrium sampling devices

Biofilms on the PE and Biscasil sheets were gently wiped
with a soft brush and some cold tap water, and sheets were then
blotted dry with lint-free tissue. The sheets were weighed and
inserted into 100-mL glass jars, and 40mL of n-hexane and
internal standard (PCB 30, 250 ng) was added. The jars were
rolled constantly for 24 h to extract the PCBs from the polymers.
The extract was collected, the extraction was repeated twice
without addition of the internal standard, and finally the sheets
were washed briefly with another 40mL of n-hexane. As a
keeper, 50mL of nonane was added into the combined solvent
sample (160mL), which was then evaporated to less than 5mL
in a rotary evaporator (Heidolph VB2000; Heidolph Instru-
ments). The sample was further evaporated under a gentle
nitrogen flow to approximately 2mL, and then 1mL of
concentrated sulfuric acid (H2SO4) was added to remove
impurities. The sample was then centrifuged (665 g, 10min) and
the solvent phase collected. The acid phase was briefly extracted
again with 2mL of n-hexane and centrifuged, and the solvent
phases were finally combined. One milliliter of acid was added
to the combined solvent phase, the sample was centrifuged, and
the acid was then carefully removedwith a glass Pasteur Pipette.
Next, the sample was evaporated under a nitrogen flow until
near dryness, after which 300mL of isooctane and approxi-
mately 0.1 g of sodium sulfate (Na2SO4) were added to remove
possible water and acid left in the sample, which was then
centrifuged (665 g, 15 min). Finally, the sample was transferred
to a gas chromatography (GC) vial and stored at –20 8C until
GC-mass spectrometric (MS) analysis.

The procedure to extract PCBs from silicone-coated glass
was done according to M€aenp€a€a et al. [9] with some
modifications. Briefly, sediment was poured off from the jar,
and the jar was rinsed very briefly under running cold tap water.
Immediately after, the silicone surface on the jar’s inner wall
was wiped with lint-free tissue, and the cap was cleaned and
dried. Care was taken to avoid scratching the silicone surface.
For extraction of PCBs from the silicone, 2mL of n-hexane and
the internal standard (250 ng of PCB 30) were added and the jar
was placed on a roller mixer (10 rpm) for 60 min. The extract
was collected and the extraction repeated 3 times, and finally all
extracts were pooled (i.e., 8mL in total). Before the sample was
evaporated to approximately 2mL under a gentle stream of
nitrogen, nonane (0.5mL) was added. The sample was acid-
cleaned and further processed for analysis by GC-MS as
described above.

Characterization of whole sediment and mussels

Sediment samples were analyzed in duplicate for PCBs with
exhaustive extraction (Soxtec SystemHT, extraction unit model
1043 and 1046 service unit; Tecator), using n-hexane-acetone
(1:1, v/v) as an extraction solvent as described in Figueiredo
et al. [28]. Wet sediment was dried prior to extraction using
anhydrous sodium sulfate. Sediment samples from each site
were also analyzed in triplicate for dry weight, total organic

carbon (TOC), and black carbon as described in Grossman and
Ghosh [34].

Native mussels were collected from Lake Kernaalanj€arvi
(site 2) in 2008 and included 17 specimens of Anodonta anatina
and 14 specimens of Unio pictorum. The age of each individual
was defined by the annual growth rings of the shell. The soft
tissues of native mussels were homogenized (IKA

1

Ultra-
Turrax dispenser; IKA-Werke) for PCB analysis by Soxhlet
extraction as described in Figueiredo et al. [28]. The total lipid
content in the mussel tissue was determined by applying the
microscale method after Parrish [35] with the modification that
2-propanol-hexane (2:1, v/v) was used as the extraction solvent.
The method was tested for its accuracy by Figueiredo et al. [28]
and showed good recovery (97%) of lipids from standard
reference material. The water content of the tissue samples was
measured by drying tissue in an oven (Membert UE 400; Oy
Tamro Ab) at 105 8C until constant weight and then subtracting
the dry weight from the tissue’s wet weight.

The long-termmonitoring by Finnish authorities [36] of PCB
concentrations in pike (Esox lucius) from Lake Kernaalanj€arvi
indicates that between 2002 and 2009 PCB levels stabilized
(Supplemental Data, Figure S1).

Lumbriculus variegatus bioaccumulation test

Lumbriculus variegatus was exposed to sediment of Lake
Kernaalanj€arvi (site 2) in a standard bioaccumulation test [37]
for 28 d to measure the steady-state concentrations of PCBs in a
benthic species under laboratory conditions. The worms were
sampled after 14 d and 28 d of exposure and analyzed for PCBs
and total lipids as described in Figueiredo et al. [28]. The
equilibrium partitioning level of PCBs in lipids relative to the
sediment was derived by determining equilibrium partition
concentrations in lipids (CLipÐSed) using a headspace SPME
method with external calibration standards in olive oil, as
described in M€aenp€a€a et al. [9].

GC-MS analysis of PCBs and quality assurance

The GC-MS analysis was performed as described in
Figueiredo et al. [28]. Briefly, the analytes were separated
with a Hewlett-Packard series 6890 GC system equipped with a
nonpolar fused silica capillary column HP5-MS (30m� 0.25
mm i.d.� 0.25mm film thickness; Agilent Technologies). The
injector was operated in splitless mode at a temperature of
225 8C. The oven temperature program was as follows: 90 8C (1
min), 150 8C (40 8C/min), 180 8C (4 8C/min, held for 3min), and
270 8C (3.5 8C/min, held for 8 min). Helium was used as a
carrier gas (0.7mL/min). Analytes were identified by a mass
selective detector (Hewlett-Packard) in electron ionization
(70 eV) mode with single ion monitoring. The detector
temperature was 280 8C.

Internal standard (PCB 30) and 5-point calibration curves
were used for signal quantification. The accuracy of extraction
and analysis was tested by analyzing the standard reference
material SRM1946 (Lake Superior Fish Tissue; National
Institute of Standards and Technology). The measured analyte
concentrations in the reference material were within 75% to
125% of the assigned value (Supplemental Data, Table S1).
Moreover, nonsample extracts were run as blanks with each
sample batch (20 samples), and pure solvents were run after
every 10 samples.

Detection limits were determined by analyzing 5 replicates
of the lowest calibration standard (0.05 ng/mL). The standard
deviation of the replicates was multiplied by the Student t value
at a significance level of p¼ 0.05 (degrees of freedom¼ 4, 1-
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sided distribution t value¼ 2.132) [38]. The instrumental
detection limits were between 2.6 pg/mL and 11.4 pg/mL for
the different analytes (Supplemental Data, Table S1).

Determination of Cfree, CLipÐMatrix, and chemical activity

Concentrations of PCBs in the passive sampling polymers at
equilibrium with either sediment porewater or the overlying
water (respectively, CPolÐSed CPolÐW) were converted to Cfree

using analyte-specific polymer–water partition ratios (KPol/W):

Cfree ¼ CPolÐMatrix

KPol=W
ð1Þ

For the polymers PE and Silastic A, KPE/W and KSilasticA/W were
taken from Smedes et al. [39]. The ratio KBiscasil/W was
determined by applying Biscasil-Altesil partition ratios,
KBiscasil/AlteSil (D. Gilbert, G. Witt, F. Smedes, and P. Mayer,
Aarhus University, Roskilde, Denmark, unpublished data) as
correction factor to Altesil–water partition ratios [39]:

KBiscasil=W ¼ KBiscasil=Altesil � KAltesil=W ð2Þ

Measured concentrations in the sediment passive sampling
polymer (CPolÐSed) were converted to equilibrium partitioning
concentrations in lipids (CLipÐSed) as described in M€aenp€a€a
et al. [9] by applying a polymer-specific lipid–polymer
partitioning ratio (KLip/Pol) [40]:

CLipÐSed ¼ CPolÐSed � KLip=Pol ð3Þ

Silastic A silicone was used in the sediment passive sampler;
therefore, KLip/SilasticA was inserted into Equation 3. Similarly,
CLipÐW from water samplers (PE and Biscasil) was calculated
via KLip/PE and KLip/Biscasil.

KLip,PE was taken from D. Gilbert et al. (unpublished
data), and KLip,SilasticA and KLip,Biscasil were determined by
applying Silastic A-SSP (SSP is a polydimethylsiloxane
membrane from Specialty Silicone Products) and Biscasil-
SSP (KPol,SSP) partitioning ratios (D. Gilbert et al., unpub-
lished data), as correction factor to published lipid–SSP
partition ratios [40].

KLip=Biscasil ¼
KLip=SSP

KPol=SSP
ð4Þ

To calculate chemical activities of PCBs in the mussels, the
concentration of model PCBs normalized to mussel total lipids
(CLip,Bio) was in a first step converted to the freely dissolved
concentration, assuming partitioning solely into neutral lipids
(Cfree,mussel), usingKLip/W (D. Gilbert et al., unpublished data) in
the conversion:

Cfree;mussel ¼ CLip;Bio

KLip=W
ð5Þ

Chemical activities (a) in mussels, and likewise in sediment and
water, were determined as

a ¼ Cfree

SL
ð6Þ

where SL is the subcooled liquid solubility calculated as
described in van Noort [42] (Supplemental Data, Table S2).

Distribution of PCBs between Cfree, dissolved organic carbon, and
particulate organic carbon

The dissolved organic carbon (DOC) and particulate organic
carbon (POC) contents in Lake Kernaalanj€arvi (site 2) water
were determined in a recent study [28]. The amount of PCBs in
the different fractions, freely dissolved (Cfree) and bound to
DOC (CDOC) and POC (CPOC), were determined as follows:

CDOC ¼ Cfree � DOC½ � � KDOC=W

� � ð7Þ

CPOC ¼ Cfree � POC½ � � KPOC=W

� � ð8Þ

where KDOC/W is the DOC–water partition ratio from Burkhard
[43] and KPOC/W is the POC–water partition ratio from Mackay
et al. [44]. Finally, the fraction of PCB free and bound formswas
calculated as follows:

%free ¼ Cfree

Cfree þ CDOC þ CPOC
� 100 ð9Þ

%DOC ¼ CDOC

Cfree þ CDOC þ CPOC
� 100 ð10Þ

%POC ¼ CPOC

Cfree þ CDOC þ CPOC
� 100 ð11Þ

RESULTS AND DISCUSSION

Concentrations of PCB in sediment

Freely dissolved concentrations (Cfree) of SPCBs in
sediment porewater at equilibrium were highest at site 1
(61 ng/L), being 41% higher than at site 2 (Figure 2;
Supplemental Data, Table S3). The concentrations were 94%
to 97% lower at downstream sampling sites. The Cfree indicates
bioavailability, and hence, the highest PCB tissue residues in
biota can be expected in the River Tervajoki area (site 1) for
local species that do not migrate substantially, such as sediment-
dwelling invertebrates. Correspondingly, tissue residues are
anticipated to decrease downstream along with decreasing Cfree

in sediment.
The total concentrations of SPCBs in sediment, normalized

to the sediment’s TOC content (Supplemental Data, Table S4),

Figure 2. Freely dissolved concentrations of polychlorinated biphenyls
(PCBs) in sediment porewater from the sampling sites, measured by
equilibrium sampling using silicone-coated glass jars (mean � standard
deviation, n¼ 9). No PCBs were detected at the reference site (site 6).
Cfree¼ freely dissolved concentration.

Chemical equilibrium status of an aquatic ecosystem Environ Toxicol Chem 34, 2015 2467



were highest at site 2 (138mg/kg TOC), whereas the
concentration for SPCB at site 1 was 62% lower (Supplemental
Data, Figure S2). Notably, the Cfree at equilibrium in sediment
porewater was higher at site 1 compared with site 2, whereas
total concentration measurements showed the opposite. This
may be attributed to the characteristics of hydrophobic organic
chemical-binding carbonaceous materials in the sediment,
which can vary between the sites. The SPCB concentrations
downstream of sampling site 2 were 93% to 97% lower,
decreasing with distance.

Concentrations of PCB in overlying water

Passive samplers were deployed for up to 181 d using
multiple sampling times to assess the sampling kinetics and to
yield Cfree at equilibrium. Equilibrium between the samplers
and the water phase was apparently reached after 147 d as no
clear increasing trendwas apparent in the determined ratio of the
concentration in the polymer and polymer–water partition ratios
(CPol/KPol/W) at 147 d and 181 d sampling times (Supplemental
Data, Figure S3). Furthermore, the results from both sampler
materials, PE and silicone-coated sheets (Biscasil), corroborate
each other (Figure 3; Supplemental Data, Table S5 and Figure
S3) despite the fact that diffusion rates of hydrophobic organic
chemicals are reported to generally be higher in silicone than in
PE [45].

Equilibration time depends on many factors that affect the
rate at which chemicals partition from the matrix into the
sampler, such as sampler material and thickness, diffusivities in
polymers [45], water boundary layer thickness [46], and quality
and quantity of chemical carriers (e.g., humic substances) in the
water phase [47]. Correspondingly, equilibration times are
expected to vary between the field sites. For example, Adams
et al. [11] used 51-mm-thick to 70-mm-thick PE sheets and
observed equilibration times of a few days for PCB-52. Morgan
and Lohmann [48] used the same PE material with 51mm
thickness, and 15-d and 19-d exposure in PCB-contaminated
surface water was enough to reach 90% of dissipation for PCB
congeners 21 and 61, respectively, which were used as
performance reference compounds in their study; this dissipa-
tion is assumed to reflect 90% of equilibrium (t90%) for the
native chemicals taken up into the sampler.

There was good linear dependence of freely dissolved water
concentrations on sediment porewater concentrations (Figure 4).
Linear regression yielded a slope of 0.084 to 0.228, which
indicates that freely dissolved concentrations were consistently

higher in the sediment than in the water at all sampling stations.
This indicates that the sediment acts as a source of the chemicals
to the overlying water phase.

Concentrations varied between both sampling sites and
sampling times in the passive samplers deployed in the water.
Initially, the increase in CPol can be attributed to the
accumulation of PCBs in the polymer toward a chemical
equilibrium between the water and the polymer (Supplemental
Data, Figure S3). When close to equilibrium partitioning
(CPolÐW) the concentration in the polymer can be expected to
follow the Cfree of the surrounding water with a certain time lag,
which may differ between the polymers and chemicals [45].
During the sampler deployment time in 2010, the water
discharge had been approximately constant since the early
weeks of June after an initial high-flow event (Supplemental
Data, Figure S4). The initial high flow could have caused a
dilution effect (slow diffusion into polymer) and consequently a
pulse in Cfree after 100 d of deployment (Supplemental Data,
Figure S3). After that, relatively constant concentrations in
water were expected because significant dilution or concentra-
tion had consequently not occurred (Supplemental Data, Figure
S4). Between the sampling sites, Cfree values of PCBs in the
overlying water column were highest in Lake Kernaalanj€arvi
(site 2) throughout the sampling period from June to November
compared with downstream sampling sites 3 to 6. These
differences can be attributed to a decline of Cfree downstream
from Lake Kernaalanj€arvi as a result of sedimentation of
particle-bound PCBs and dilution with water from less
contaminated areas of the ecosystem.

Biofouling may slow down the partitioning of compounds
into a polymer, and surface-attaching biota may have different
preferences for polymers, which may have a specific effect on
the equilibration time of chemicals for different samplers. In the
present study, biofouling was visible on both samplingmaterials
and appeared slightly different between the sampling sites, and
the appearance changed over time. Thus, the sampler surface
was likely occupied by different biofouling agents between the
seasons. Further studies should more intensely investigate the
influence of biofouling on uptake and partitioning processes. A
previous study showed that various complex matrices did not
modify the sorptive properties of a silicone polymer [49], but
biofouling was not addressed.We assume that biofouling had no
effect on the sorptive properties of the samplers, whereas it
could have affected the uptake rate of compounds into the
polymers.

Figure 3. Comparison of the ratio CPol/KPol/W for polyethylene and silicone passive samplers in water at different sampling sites and times (mean� standard
deviation; 28–147 d, n¼ 3; 181 d, n¼ 4–6). There are no data from sampling site 1 and from sampling site 5 after 28-d deployment time. Total polychlorinated
biphenyls include congeners 28, 31, 44, 49, 52, 101, 105, 110, 118, 138, 149, 151, 153, 156, and 180.CPol/KPol/W¼ ratio of the concentration in the polymer and
polymer-water partition ratios; PE¼ polyethylene.
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Notably, we were also able to detect PCBs in the overlying
water column at the reference site (site 6) where sediment total
extraction and passive sampling of sediment failed in this
regard. This was, however, not the result of a higher chemical
activity of PCBs in the water phase but solely the result of the
larger mass of sampler material (by more than 2 orders of
magnitude) used for sampling of overlying water, which was
sufficient to accumulate PCBs to levels above detection limits.

Equilibrium partitioning concentrations in lipids

Equilibrium partitioning concentrations in lipids versus
actual concentrations in biota were explored to evaluate the
equilibrium status of biota. The age of native mussels spanned
several years (2–10 yr) without clear dependence between the
age and PCB concentration (Supplemental Data, Figure S5),
which reflects the long-term bioavailability of PCBs. Therefore,
mussels of different ages were combined in the data analysis.
The equilibration status of PCBs in mussel tissue plotted against
the chemicals’ log octanol–water partition coefficient [41] are
shown in Figure 5. The estimated CLipÐSed was conservative
compared with the measured CLip,Bio. In contrast, CLipÐW was
closer to the measured CLip,Bio, which is the result of lower Cfree

in the overlying water. For highly chlorinated congeners,
bioaccumulation can be hindered because of kinetic restrictions
of the uptake process [50]. In addition, biotransformation of
PCBs by other mussel species has been observed [51]; hence,
the result may indicate that mussels metabolize the less
chlorinated PCBs. Both of these processes work against
thermodynamic equilibrium and modify the tissue residue.

The Organisation for Economic Co-operation and Develop-
ment’s [37] standard test with L. variegatus showed that
equilibrium was reached in 28 d for the 2 lightest congeners
(PCB-8 and PCB-18), whereas equilibrium was not reached for

the more hydrophobic congeners (Figure 6). In contrast to the
mussel data, L. variegatus did not seem to be able to
biotransform and eliminate even the least chlorinated con-
geners; thus, their body residues reached equilibrium. Body
residues of PCBs in native Chironomus species analyzed in an
earlier study [9] are in accordance with the present data.
Unfortunately, no data exist for PCB 8 and PCB 18 for
comparison. Concentrations of PCBs were lower in Chirono-
mus sp. compared with L. variegatus, which may be a result of
the generally more efficient metabolizing capability of
Chironomus sp. [52–54]. In the case of the more highly
chlorinated and more persistent congener PCB 180, Chirono-
mus sp. had a higher body residue than L. variegatus. This is
probably the result of lifelong exposure and, hence, close-to-
equilibrium partitioning PCB levels in the native Chironomus
sp. collected from the lake sediment.

Equilibrium status of the ecosystem

The Cfree in overlying water was clearly lower than that in
sediment porewater regardless of the sampling site (slope
0.084–0.228; Figure 4). This finding indicates that sediment acts
as a source of PCBs to the overlying water phase, likely through
desorption processes. In contrast, uncontaminated water
flowing into the lake basin from other rivers has the opposite
effect and lowers the chemical concentration in water by
dilution. Thus, the overlying water column is constantly
depleted by perfusion with uncontaminated water from
upstream water sources. Lake Kernaalanj€arvi, the main lake
basin in the present study, has a short mean residence time of
water of only 18 d [30]. In other words, 2 competing fluxes
define the Cfree in the overlying water column—an input flux
from sediment porewater with high Cfree and a depletive flux by
the current of uncontaminated water from tributaries with low

Figure 4. Freely dissolved concentrations of polychlorinated biphenyls in overlying water versus in sediment porewater (mean� standard deviation, overlying
water n¼ 7–9, porewater n¼ 9) at the different sampling sites along the discharge course. Values for overlying water are calculated as mean (� standard
deviation) of the 2 last sampling times of both samplers because steady state was demonstrated after 147 d. The data are fitted to linear regression (solid line), and
95% confidence limits are shown (dotted lines). Cfree¼ freely dissolved concentration.
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Cfree. In addition, the entry of uncontaminated organic material
(dissolved and particulate) from upstream may decrease freely
dissolved PCB concentrations in the overlying water column
through binding of PCBs. Consequently, Cfree in the overlying
water may vary according to environmental factors such as
flooding events caused by high precipitation. Indeed, a previous

study found lowered body residues of total PCBs in caged
mussels after high summer precipitation [31]. After all, the
measured status of disequilibrium between the sediment
porewater and overlying water may, in fact, present the
steady-state situation in the studied dynamic ecosystem.
Equilibrium sampling devices can therefore serve as an
indicator for site-specific bioaccumulation.

When CLipÐW was used as the common equilibrium
partitioning reference for the actual measured lipid-normalized
PCB concentrations in mussels, the concentration ratios were
close to or above 1 for native mussels (Figure 5B). The situation
was the opposite whenCLipÐSed was used, where tissue residues
were clearly below the estimated equilibrium partitioning
reference level in lipid (i.e., CLip,Bio/CLipÐSed << 1). The food
selection and feeding habits vary between mussel species, and
possible food sources can include both suspended material from
overlying water as well as sedimentary detritus [55–57].
Consequently, the mussels in the present study were potentially
exposed to intermediate chemical concentrations between
sediment porewater and overlying water, with food sources
from overlying water probably dominating [58]. The mussels
exposed for 2 mo in cages reached lower body residues
(Supplemental Data, Table S6) compared with native mussels
collected from the contaminated lake (Supplemental Data,
Figure S6). This could be because of the short exposure period
(i.e., equilibrium not being established) and/or the lack of
exposure to sedimentary detritus for caged mussels. However,
the cagedmussels incubated for 1mo and 2mo did not show any
statistically significant differences (p > 0.33) in PCB body
residues. This observation implies they were close to equilibri-
um or steady state already after 1 mo of exposure to overlying
water. It may also indicate that sediment detritus plays a
significant role in the uptake of hydrophobic organic chemicals
in the native mussel species in the present study. In conclusion,
both environmental exposure phases (sediment porewater and
overlying water) that differed in their Cfree undoubtedly have a
role in bioaccumulation. The estimates of CLipÐSed were
conservative, however, which is in agreement with earlier
findings [2,9,25,26].

It is noteworthy that estimated equilibrium partitioning
concentrations in lipid were (CLipÐSed) determined for a model

Figure 5. Estimation of chemical equilibrium of polychlorinated biphenyls (PCBs) in native mussels collected from Lake Kernaalanj€arvi (site 2) and mussels
caged in the lake overlying water column for 2 mo, plotted versus the chemicals’ log octanol–water partition coefficient. The horizontal dotted line indicates
equilibrium partitioning of PCBs between organism lipids and the sediment (A) or water (B). Lipid-normalized tissue concentrations (CLip,Bio) of PCBs were
normalized to the predicted equilibrium partitioning concentrations of PCBs in lipids (respectively,CLipÐSed andCLipÐW). Each dot with error bars represents an
average and standard deviation (native mussel n¼ 30, caged mussel n¼ 4). For the overlying water phase the mean of both sampling devices, polyethylene and
Biscasil, for the 2 last sampling events was calculated. KOW¼ octanol–water partition coefficient.

Figure 6. Estimation of chemical equilibrium for polychlorinated biphenyls
(PCBs) in a standard bioaccumulation test with Lumbriculus variegatus [37]
exposed to sediment of Lake Kernaalanj€arvi (site 2) and with native
Chironomus sp. collected from Lake Kernaalanj€arvi [9]. Dots with error
bars indicate the average and standard deviation of 3 replicate samples. The
ratio of the lipid-normalized tissue concentration (CLip,Bio) and the
equilibrium partitioning concentrations in lipids (CLipÐSed) are shown as
a measure for the equilibration status. Horizontal line indicates equilibrium
partitioning of PCBs between sediment and organisms. The data are fitted to
a centered second order polynomial model (GraphPad Prism 5) for
visualization. Log KOW values are from Hawker and Connell [50].
KOW¼ octanol–water partition coefficient.

2470 Environ Toxicol Chem 34, 2015 K. M€aenp€a€a et al.



neutral storage lipid, which is only an idealized equilibrium
partitioning reference phase because biota lipids have a more
complex composition. It gives a good approximation for lipid-
rich biota such as eel, but it may be less accurate for lean biota in
which other sorption phases such as polar lipids or proteins may
be important for hydrophobic organic chemicals [18,24].
Currently, CLipÐSed reflects equilibrium partitioning concen-
trations in storage lipids, which show hardly any differences in
their partitioning properties for hydrophobic organic chemicals
[40,59]. In the present study, neutral lipids in mussels were
assumed to be the only partitioning phase. Partitioning of
bioaccumulative compounds between different sorbing phases
of organisms has recently been investigated [18,60–62] to better
define tissue-specific concentrations. These results showed that
lipid normalization is a preferred transformation for the
concentrations measured in biota because hydrophobic organic
chemicals absorb predominantly in neutral lipids and less in
polar lipids and proteins [18,50,63]. Therefore, the approach
undoubtedly results in conservative estimates in this respect
because a portion of the total lipids consists of polar lipids.
However, partitioning into the protein phase may have an
opposite effect because protein-associated PCBs are uninten-
tionally mischaracterized when the whole-body PCB load is
normalized to the concentrations in lipids. In lean organisms,
such as mussels, the partitioning of hydrophobic organic
chemicals to proteins may be substantial on a mass basis, and a
small fraction of lipids would result in low total body residues
[64]. Preincubation of caged mussels in clean water in the
laboratory without feeding could have changed the proportion
of lipid classes. Lower proportions of storage lipids compared
with membrane lipids could consequently have contributed to
the lowered body residue.

Chemical activity

Chemical activity (a) is a valuable measure that can indicate
the direction of partitioning processes of compounds between
phases [4], and equilibrium passive sampling devices can be
used as tools to measure such a thermodynamic parameters.
Chemicals reach equilibrium when their energy levels are equal
between phases as defined by the first law of thermodynamics.
The law forms the basis of the equilibrium partitioning theory
[65]. In a system of small spatial scale, partitioning processes
toward phase equilibrium are relatively fast (local equilibrium).
However, when a contaminated ecosystem is considered,
several environmental and biological properties, such as
fluctuation of contaminants and changes in lipid resources
over time as well as biological processes such as biodegradation
and biotransformation, operate against equilibrium. Hence,
equilibrium partitioning levels in the phases of a complex
system like an aquatic ecosystem cannot be expected to be
reached [23,66,67], and thermodynamic equilibrium is instead
used as a reference state to understand dynamic situations;
CLipÐSed is an example of that.

Another and more direct way of comparing the equilibration
status between biota and sediment is to calculate activity ratios
directly from measured concentrations in silicone equilibrated
with biota and measured concentrations in silicone equilibrated
with sediment, as suggested in a recent study [25]. In this case,
in-tissue sampling was carried out until a thermodynamic
equilibrium between the silicone and the tissue was established.
This had been done for eel caught in Lake Miemalanselk€a (site
5), approximately 15–km downstream from Lake Kernaa-
lanj€arvi (site 2), in 2009 by Jahnke et al. [19]. The authors
calculated eel–sediment activity ratios for 7 “indicator” PCBs,

which ranged from 0.077 (PCB 180) to 0.188 (PCB 118). This
gives additional evidence that PCB levels in aquatic species
residing in this Finnish ecosystem are likely below equilibrium
partitioning levels relative to the sediment. These results agree
with what was observed in Lake Ången, a small lake in Sweden
without known sources of pollutants other than the atmosphere,
where PCBs had generally a lower activity in eels than in
sediment (activity ratios of 0.048 for PCB 101 up to 0.295 for
PCB 118) [25,26]. In the present study, the slope of the linear
regression for the mussel–sediment activity ratio for different
PCB congeners was 0.034 for the native mussels collected from
site 2 (Supplemental Data, Figure S7B). These results agree
with the previous studies and indicate that PCBs may not reach
chemical equilibrium between biota and sediment.

Figure 7 shows estimated chemical activities (a) of model
PCBs in overlying water, sediment, and exposed mussels from
Lake Kernaalanj€arvi (site 2). Chemical activities in the
overlying water were approximately 55% to 92% lower than
those in sediment porewater, the difference increasing with
increasing hydrophobicity of the congener. A similar trend of
higher chemical activities in sediment compared with those in
the overlying water has also been observed for PCBs and PAHs
by Lohmann et al. [23]. The chemical activity ratios in each case
indicate a diffusive flux of the chemicals that is directed from the
sediment toward the overlying water column.

The bioavailability of PCB differed between sediment and
overlying water and was indicated by differences in the PCB’s
chemical activity in these phases (Figure 7; Supplemental Data,
Table S7). Hence, the habitat of an organisms within the
ecosystem also determines the organism’s exposure, which may
be 1 of the factors determining the lower chemical activity in the
caged mussels compared with the native mussels. Chemical
activities of model PCB congeners in mussels clearly correlated
better with the chemical activities in sediment porewater
(Supplemental Data, Figure S7) than with the chemical
activities in overlying water (Supplemental Data, Figure S8).
In comparison, Lohmann et al. [23] derived chemical activities
of PCBs and PAHs in native Mya arenaria and their
surrounding environment, with the activities in M. arenaria
being between the measured chemical activities in sediment and
overlying water, which the researchers argued was the result of

Figure 7. Chemical activity (a) of the model polychlorinated biphenyl
congeners in different media of Lake Kernaalanj€arvi (site 2). Chemical
activities are shown for sediment porewater, overlying water, the native
mussels, and the mussels caged for 2 mo in the water column. Chemical
activities for the overlying water were calculated as the mean of
measurements obtained from both the polyethylene and Biscasil passive
samplers, for the 2 last sampling events for which chemical equilibrium was
demonstrated. Each bar represents a mean and error bars, the standard
deviation (n¼ 9 for porewater, n¼ 7–9 for water, n¼ 30 for native mussel,
n¼ 4 for caged mussel).
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exposure of the clams to both the overlying water column and
the sediment.

Distribution of PCBs in the study area

The data of the total concentration in sediment, together with
Cfree in sediment porewater and overlying water, give evidence
that PCBs are leaking downstream in the studied ecosystem
(Figures 2–4). Concentrations of PCB follow a logical dilution
scheme along the discharge area downstream, and the PCB
congener profile between the sampling sites (Figure 5) is
similar, which together affirm a single source of contamination.
Discharge of PCBs downstream and slightly decreasing PCB
concentrations in incubated mussels had been measured during
monitoring in 1984 to 1998 [32]. The present results indicate
that discharge of PCBs downstream from the site where the
PCB-releasing paper mill was located is still continuing.

The estimated binding of model PCB congeners to POC and
DOC (Figure 8) suggests that POC and DOC can function as
downstream carriers for PCBs, especially for the more highly
chlorinated compounds, whereas less chlorinated congeners
will likely discharge downstream in the freely dissolved form.
Those PCBs that are bound to POC likely deposit to sediment
along the discharge course, where conditions favor sedimenta-
tion, and can thus increase the total chemical concentration in
the sediment (Figure 4). The magnitude of binding can vary as a
result of changing conditions of leached organic material by
precipitation and flood events, which subsequently can be
expected to regulate freely dissolved concentrations and
bioavailability in the overlying water.

Based on the concentrations measured, the Tervajoki River
(site 1) still might slightly increase the bulk mass of PCBs in
sediment of Lake Kernaalanj€arvi (site 2) by discharge
downstream. To model the mass balance of PCBs discharging
downstream in more detail, further measurements of DOC and
POC in the water column in different seasons would be needed
because of their varying concentration over time.

Possible dredging as a mitigation action of the sediment in
themost contaminated areas (site 1 and site 2) could be expected
to especially increase the discharge of more highly chlorinated
PCBs downstream because of resuspension of sediment during
dredging and following an increase of suspended solids in the
overlying water column. Alternatively, carbon amendments on-
site would be a more suitable method to decrease the
bioavailability of PCBs. For instance, amendment of activated

carbon has been shown to decrease the bioavailability of PCBs
in sediments [68].

CONCLUSIONS

In the present study the equilibrium status of an aquatic
ecosystem, with historical pollution of PCBs in the sediment,
was considered, taking different abiotic and biotic phases into
consideration. The ecosystem appeared to be in disequilibrium,
the sediment being a source phase and the overlying water and
biota the receiving phases, being below the equilibrium level.

The estimated CLipÐSed and CLipÐW appeared conservative
compared with the measured CLip,Bio in the present study, which
is in accordance with previous findings. Several possible
reasons exist for the concentrations measured in biota being
below the predicted equilibrium partitioning concentrations
relative to the sediment. High hydrophobicity and large
molecular size can, for instance, limit uptake kinetics. The
present study indicated that sediment-dwelling invertebrates as
well as species having a long life span and hence exposure time,
such as mussels, can be below the equilibrium partitioning
concentrations. In particular, an overestimation is caused by
using the Cfree of sediment porewater to predict the body
residues of hydrophobic organic chemicals in the case of
overlying water-filtering mussels. The equilibrium status of
hydrophobic organic chemicals in ecosystems should be further
investigated to gain evidence for other trophic levels. Such
knowledgewould help interpret standard laboratory equilibrium
partitioning experiments for regulatory purposes designed to
protect contaminated ecosystems.

The approach to estimate equilibrium partitioning concen-
trations of hydrophobic organic chemicals in lipids in general
proved practical and can be recommended for use in further
studies. Further development of the approach to take a more
specific tissue composition of biota into account could improve
its applicability and should be pursued.

The versatility of passive samplers was successfully
demonstrated, and the methods used in the present study can
be generally applied for monitoring in aquatic ecosystems for
concentrations, status of the equilibrium, and discharge of
contaminants along the discharge courses. Samplers could be
efficient tools for implementation of the Water Framework
Directive [69] of the European Union. The Common Imple-
mentation Strategy [70] for theWater Framework Directive was
formulated to direct environmental monitoring of the priority
substances in surface waters, which includes passive sampling
as a complementary method. Furthermore, because passive
sampling has been recognized as a useful tool to measure
concentrations of hazardous substances in different environ-
mental matrices, it is currently considered to be included in the
Water Framework Directive [71]. Information obtained from
the samplers could clearly complement standard exposure
assessment for water and sediment.
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