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Abstract 
Globally, habitat loss in coastal marine systems is a major driver of species decline, and estuaries are particularly susceptible to 
loss. Along the United States Pacific coast, monospecific eelgrass (Zostera marina) beds form the major estuarine vegetated 
habitat. In Morro Bay, California, eelgrass experienced an unprecedented decline of > 95%, from 139 ha in 2007 to < 6 ha by 
2017. Fish populations were compared before and after the eelgrass decline using trawl surveys. Beach seines surveys were also 
conducted during the post-decline period to characterize species within and outside of remnant eelgrass beds. While the estuary-
wide loss of eelgrass did not result in fewer fish or less biomass, it led to changes in species composition. The post-eelgrass 
decline period was characterized by increases in flatfish (mainly Citharichthys stigmaeus) and staghorn sculpin (Leptocottus 
armatus), and decreases in habitat specialists including bay pipefish (Syngnathus leptorhynchus) and shiner perch (Cymatogaster 
aggregata). There were similar trends inside and outside of remnant eelgrass patches. These findings support evidence across 
multiple ecosystems suggesting that the predominance of habitat-specialists predicts whether or not habitat loss leads to an 
overall decline in fish abundance. In addition, loss of critical habitats across seascapes can restrict population connectivity and 
lead to range contraction. For bay pipefish, the loss of eelgrass in Morro Bay is likely to create a population biogeographic divide. 
Currently, Morro Bay is dominated by flatfish and sculpins, and the longevity of this new ecosystem state will depend on future 
eelgrass recovery dynamics supported by ecosystem-based management approaches. 
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Introduction 

Habitat loss has been a major driver of contemporary species 
declines in terrestrial ecosystems (Hoekstra et al. 2005; 
Fischer and Lindenmayer 2007) and is increasingly a driver 
of change in marine ecosystems (Pimm et al. 2014; McCauley 
et al. 2015). Until recently, population decline of marine fishes 
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was driven by overexploitation (Pauly et al. 2002; Myers and 
Worm 2003), but anthropogenic impacts are now modifying 
marine habitats across a range of spatial scales (Dulvy et al. 
2003; Airoldi et al. 2008; Waycott et al. 2009; McClenachan 
et al. 2017; Hansen  et  al.  2019). Trends in ocean use and the 
exploitation of resources suggest that habitat destruction will 
become a dominant threat to marine habitats over the next 
century (McCauley et al. 2015). Loss of habitats can lead to 
shifts in ecosystem state resulting in losses of ecological and 
economic resources that may be difficult to reverse (e.g., kelp 
forests: Ling et al. 2015; seagrasses: Maxwell et al. 2017; 
coral reefs: Mumby et al. 2007; and theoretical: Scheffer 
et al. 2001). Along with a reduction of physical complexity, 
habitat loss can lead to the loss of resident species and reduced 
functional diversity (e.g., Myers et al. 2000). In marine eco-
systems, connectivity is often driven by larval dispersal, and 
increasing habitat patchiness across marine coastlines may 
have major impacts on population dynamics at scales larger 
than the loss of any one habitat. 

Estuarine ecosystems are especially susceptible to human 
impacts, such as overexploitation, pollution, eutrophication, 
and sea level rise (Nagelkerken et al. 2015; Elliott et al. 
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2014; Wang et  al.  2015; Lu et al.  2018). Historical and 
archeological data suggest that human impacts have destroyed 
67–91% of estuarine habitats, and consequently, up to 80% of 
the associated fish and shellfish populations (Lotze et al. 2006; 
Jackson 2008). Seagrass meadows are one of the main habitats 
in estuaries and represent one of the most biologically produc-
tive biomes on earth (Duarte 2002). They provide nursery 
grounds and habitat for numerous fishes (Beck et al. 2001; 
Whitfield 2017; Lefcheck et al. 2019) and invertebrates 
(Beck et al. 2001) and ecosystem services including sediment 
and shoreline stabilization, water filtration, and carbon se-
questration (Short and Wyllie-Echeverria 1996; Waycott 
et al. 2009; Walter  et al.  2020). Faunal densities in seagrass 
meadows can be orders of magnitude above unvegetated areas 
(Hemminga and Duarte 2000). Yet, seagrasses are declining at 
an alarming rate, with loss rates that now rival those reported 
for tropical rainforests, coral reefs, and mangroves (Waycott 
et al. 2009; Krause-Jensen et al. 2020). Seagrass loss is largely 
attributed to anthropogenic impacts including pollution, eutro-
phication, sedimentation, fishing, dredging and alteration of 
shorelines, introduction of invasive species, and climate 
change (Short and Wyllie-Echeverria 1996; Duarte  2002; 
Orth et al. 2006; Krause-Jensen et al. 2020). Loss is usually 
the symptom of a larger stressor or problem, and seagrasses 
are therefore considered “coastal canaries,” because their de-
cline signals important losses to biodiversity and ecosystem 
services (Orth et al. 2006). 

Along the Pacific Coast of the United States, the main 
seagrass species is an eelgrass, Zostera marina (Short et al. 
2007). Zostera marina (hereafter eelgrass) forms monospecif-
ic stands in shallow coastal waters and estuaries. This lack of 
functional redundancy makes these meadows potentially less 
resilient to stressors (Waycott et al. 2009). Furthermore, along 
the Pacific Coast of the United States, eelgrass is relatively 
sparse: present in only 21% (24 of 110) of estuaries in 
Washington, Oregon, and northern California; 17% (18 of 
107) of estuaries in Central California; and 36% (22 of 61) 
of estuaries in the Southern California Bight (Sherman and 
Debruyckere 2018). Compared to the Atlantic Coast of the 
United States, Pacific Coast estuaries are separated by large 
distances and represent a small proportion of coastal habitats 
(e.g., 20–25% of the Pacific Coast habitat versus 80–90% of 
the Atlantic and Gulf of Mexico habitat; Yoklavich et al. 
1991). Where seagrass diversity is low or distribution is lim-
ited, loss is expected to have strong impacts on marine biodi-
versity and ecosystem health (Short et al. 2011). Species de-
pendent on eelgrass habitat in estuaries along the Pacific coast 
likely have limited population connectivity and thus are par-
ticularly vulnerable to eelgrass loss. 

In Morro Bay, a major estuary along the Central Coast of 
California, eelgrass has declined by more than 95% since 
2007, going from 139 ha (344 acres) to less than 6 ha (15 
acres) by 2017 (Fig. 1). Most loss occurred between 2007 

and 2013, and the causes of the decline are not yet known. 
Environmental conditions in large portions of the back bay 
may be inhibiting widespread eelgrass recovery (Walter 
et al. 2018a), though there are recent signs of re-emergence. 
Morro Bay is one of the 28 estuaries designated by the EPA as 
“nationally significant estuaries” in the USA (under the 
National Estuary Program) deemed as critical to the economic 
wellbeing and environmental health of the nation. Given hab-
itat loss encompassing an entire estuary, it is critical to evalu-
ate how associated species have changed. Seagrass meadows 
typically harbor a diverse range of permanent and temporary 
fish residents of all age ranges (e.g., Nakamura and Tsuchiya 
2008). Previous studies have indicated higher fish densities 
and species richness in seagrass than in unvegetated habitats, 
as well as substantial differences in the community composi-
tion of fish assemblages (Hughes et al. 2002; Heck  et al.  2003; 
Airoldi et al.  2008; McCloskey and Unsworth 2015). 
However, there has not been an eelgrass decline on the 
United States Pacific Coast of this magnitude, making this a 
novel event that may help predict future estuarine change. 

Estuary-wide fish populations were assessed prior to the 
eelgrass decline (2006–2007), and surveys were repeated after 
the decline (2016–2017). Since post-decline surveys did not 
cover any of the remnant eelgrass beds, beach seine surveys 
were conducted inside and outside of eelgrass habitat during 
the post-decline period. It was hypothesized that there would 
be declines in fish biomass, species richness, and diversity, 
and changes in species composition corresponding with the 
loss of eelgrass-dependent species. 

Methods 

Study site and eelgrass decline 

Morro Bay is a shallow estuarine system located along the 
Central California Coast (USA). This seasonally low-
inflow estuary (Walter et al. 2018a) is characterized by a 
narrow channel that gets increasingly shallower going 
from the mouth to the head. The intertidal and shallow 
subtidal regions of Morro Bay were historically dominat-
ed by eelgrass, with approximately 139 ha (344 acres) of 
intertidal eelgrass as recently as 2007 (Fig. 1). However, 
since 2007, eelgrass has declined by more than 95% to 
less than 6 ha (15 acres) in 2017. The remaining eelgrass 
beds  are mainly restricted to areas  along the main  channel  
near the mouth of the bay. 

Trawl surveys: before and after eelgrass declines 

Trawl surveys were conducted before (2006–2007) and after 
(2016–2017) the eelgrass decline at seven sites in Morro Bay 
(Fig. 1a)  during high tide (Table  1). Four sites were surveyed 



Fig. 1 a Aerial maps of eelgrass density over time in Morro Bay, with eelgrass coverage indicated in red. b Map of beach seine and approximate trawl 
survey locations, with survey and gear type indicated by the shape of points 

in the back-bay intertidal flats using a beam trawl (2 m wide at Temporal and seasonal changes are assessed independently 
the mouth, 4 m long, with a 1-m reinforced cod end and a 4- for each trawl type. 
mm mesh size). The channel is dredged annually and is too All trawls (beam and otter) were 10–11 min long at a speed 
deep for eelgrass to survive, but has persistent eelgrass along (over ground) of 0.8–1.8 knots. Trawls were conducted during 
the margins. Thus, three sites in the channel were surveyed two seasons: October–November (fall) and June–August 
using an otter trawl (4.6 m wide at the mouth, 7.2 m long with (summer). In the pre-decline period, three replicate trawls 
a mesh size of 14 mm in the wings, and 8 mm in the cod end). were conducted per site per season per year at each of six sites. 



Table 1 Summary of Morro Bay 
trawl samples used to compare 
fish populations in the pre- and 
post-eelgrass decline periods: by 
time period, habitat, and season. 
Mean tidal height (± SD) is given 
as meters relative to mean lower 
low water (MLLW) 

Period 

Post-decline 

(2016–2017) 

Pre-decline 

Habitat 

Intertidal flats 

Channel 

Intertidal flats 

Season 

Fall 

Summer 

Fall 

Summer 

Fall 

Sites 

3 

3 

3 

3 

3 

Replicates 

10 

9 

8 

9 

18 

Mean depth* (m) 

1.1 ± 0.2 

1 ± 0.4 

5.5 ± 1.1 

5.2 ± 0.8 

1 

Mean tidal height (m) 

1.4 ± 0.2 

0.7 ± 0.3 

1.2 ± 0.2 

1 ± 0.2 

0.7 ± 0.4 

(2006–2007) Summer 3 15 1.1 ± 0.3 1.1 ± 0.2 

Channel Fall 3 18 4.2 ± 2.1 0.9 ± 0.2 

Summer 3 18 5 ± 1.6 1.1 ± 0.1 

*For pre-decline surveys, we report the mean depth and standard deviation for those surveys that had recorded 
depth (74% of surveys in this period had depth data) 

In the intertidal flats during the pre-decline period, sites B1, 
B2, and B4 were consistently surveyed using a beam trawl 
except in the summer of 2006, when site B3 was surveyed 
instead of site B4 (Fig. 1b). In the post-decline period, two to 
four replicate trawls were conducted per site per year at seven 
sites (Fig. 1b), with surveys conducted in the fall of 2016 and 
the summer of 2017. At the end of each trawl (otter and beam), 
all organisms were removed from the trawl nets, fish were 
identified to species, and the total length of each fish was 
measured to the nearest mm. Fish were returned alive to the 
water at their collection site. 

Beach seine surveys: eelgrass presence and absence 

Because the post-decline trawl surveys did not include any 
eelgrass habitat, and to account for potential temporal varia-
tions in fish communities unrelated to eelgrass, fish abun-
dance, size, and species composition were compared in eel-
grass habitat and adjacent unvegetated mudflats at two sites in 
the spring (April–May) of 2017 and 2018 (Fig. 1b). The sites 
were in the middle portion of the bay (Windy Cove, Fig. 1b) 
and forebay near the mouth (Coleman’s Beach, Fig. 1b). The 
beach seine used was 10.2 m long, 1.1 m high, and had a mesh 
size of 4 mm. 

Seines were conducted at a mean tidal height of 0.43 ± 0.07 
m (± standard deviation, SD) relative to mean lower low water 
(MLLW). At Windy Cove, three replicate seines were con-
ducted in each habitat type in each year. Seines were 20–25 m 
apart and were a minimum of 10 m from the edge of the 
eelgrass and maximum of 175 m from the edge, with the 
locations consistent each year. Water depths of the seines 
varied with bottom rugosity, with a mean water depth of 1.0 
± 0.14 m (SD) in unvegetated mudflats and 1.6 ± 0.11 m (SD) 
in eelgrass. However, given that the height of the seine is 1 m, 
the depth should not have affected overall catch. Distance of 
haul depended on depth and eelgrass bed width and ranged 
from 5.6 to 23.5 m (mean of 15.9 ± 1.9 m SD) in the eelgrass, 
and from 6.4 to 34 m (mean 19.8 ± 3.6 m SD) in the mudflats. 

At Coleman’s Beach, because of adjacent building structures 
and more continuous eelgrass beds, unvegetated habitat was 
limited, and only two replicate seines were conducted per year 
in each habitat type. Furthermore, because of the spacing of 
unvegetated areas, one of the two eelgrass seines was directly 
adjacent to the unvegetated habitat, while the other was ap-
proximately 10 m from the edge. Depth in eelgrass habitat was 
1.5 ± 0.04 m (SD), and in the unvegetated habitat, the depth 
was 1.6 ± 0.1 m (SD). Distance of haul ranged from 8.5 to 
12.6 m (mean 9.4 ± 0.75 m SD) in the eelgrass and from 5.4 to 
8.5 m in the unvegetated mudflat (mean 5.9 ± 0.54 m SD). 
Because of differences in haul distance, fish biomass was 
standardized by meter of haul for all seines. Fish were identi-
fied and measured as described above. 

Statistical analyses: trawl surveys (before and after 
eelgrass decline) 

For each habitat type, models were fitted to assess patterns in 
total abundance, biomass, species composition, and trophic 
level. In all models, time period (pre-decline vs. post-decline) 
was fitted as a predictor, as well as season and an interaction 
between season and time period since there are seasonal 
changes in fish abundance, and some fish may be affected 
by eelgrass loss only during certain times in their lifecycle 
(e.g., use of nursery habitat). Sampling sites were included 
as a fixed effect in all models to account for variation among 
sites. Standard error bars on plots were estimated using a two-
stage bootstrap approach, in which both sites and samples 
within sites were randomly sampled with replacement (Field 
and Welsh 2007). 

Generalized linear models with negative binomial and 
Gamma error distributions were used to assess patterns in 
abundance and biomass, respectively (R Core Team 2020; 
Venables and Ripley 2002). A negative binomial distribution 
was used to account for overdispersed count data and a 
Gamma distribution to account for deviations from lognor-
mality, based on AIC and the skewness and kurtosis of the 



data (Cullen and Frey 1999; Dick  2004). Changes in average 
sample trophic level were evaluated using linear regression, 
weighted by the number of individuals in each trawl. Trophic 
level estimates and length-to-weight conversion factors (for 
estimating biomass) were gathered from FishBase, where 
most species estimates are from published studies, but 
some are Bayesian estimates based on nearest relatives 
(Froese and Pauly 2019). Following any significant sea-
son by time period interactions, pairwise comparisons 
(based on the model estimated marginal means) were 
used to assess differences in abundance and biomass 
between trawl surveys conducted during the same sea-
son pre- and post-decline, as well as between seasons in 
the same time period (Lenth  2018). 

To assess changes in species composition, a permutational 
multivariate analysis of variance (PERMANOVA) with 
10,000 permutations on a Bray-Curtis dissimilarity matrix 
was fitted for each habitat type using the “vegan” package 
(Beals 1984; Oksanen et al. 2020). Following significant mod-
el interaction terms, pairwise PERMANOVA models were 
used, with 10,000 permutations per comparison. For any sig-
nificant pairwise comparisons, similarity percentages 
(SIMPER) analyses were used to determine which species 
contributed more than would be expected at random to differ-
ences in species composition (Clarke 1993). Differences in 
species composition were also evaluated graphically using 
two-dimensional nonmetric multi-dimensional scaling 
(NMDS) on the Bray-Curtis dissimilarity matrix of species 
composition. Changes in species richness (number of species 
per sample) and the Shannon diversity index were evaluated 
using linear regression. 

All data analyses were performed in R version 4.0.2 (R 
Core Team 2020). Plots were created using the “ggplot2” 
package (Wickham 2009). All pairwise comparisons in this 
study were adjusted using the Benjamini and Hochberg meth-
od for controlling the rate of false discovery (Benjamini and 
Hochberg 1995; Pike 2011). 

Statistical analyses: beach seines 

Differences between eelgrass and unvegetated habitats 
were evaluated in terms of fish density, biomass, and spe-
cies composition. For all models, site, habitat, and the in-
teraction between site and habitat were fitted as predictors. 
Because seine distance differed between samples, fish 
abundance was divided by the distance in meters, and is 
referred to as density. Individual fish lengths and species 
length-weight relationships were used to estimate biomass 
density (Froese and Pauly 2019). Fish density and biomass 
were evaluated using generalized linear models with a 
Gamma error distribution and a log link. Patterns in species 
composition were evaluated using a PERMANOVA and 
SIMPER analyses, as described above. 

Results 

Trawl surveys (before and after eelgrass decline) 

Fish abundance and biomass 

In the intertidal flats (N = 52 trawls), there was no difference in 
fish abundance (Table S1a: p = 0.78) or biomass (Table S1b: p 
= 0.56) corresponding to eelgrass loss (Fig. 2a, c), although 
fish abundance was higher in the summer (Table S1a: p = 
0.04) across both the pre- and post-decline periods (Fig. 2a). 
For fish abundance and biomass in the channel (N = 53  
trawls), there were significant period by season interactions 
(abundance Table S2a: p = 0.003; biomass Table S2b: p < 
0.001; Fig. 2d), with higher fish abundance and biomass in 
the post-decline period but only in the summer (abundance 
Table S3a: p < 0.001, Fig. 2b; biomass  Table  S3b: p < 
0.001, Fig. 2d). 

Species richness, diversity, and trophic level 

The most common species in the intertidal flats in both time 
periods were bay pipefish (Syngnathus leptorhynchus), arrow 
goby (Clevelandia ios), staghorn sculpin (Leptocottus 
armatus), speckled sanddab (Citharichthys stigmaeus), and 
shiner perch (Cymatogaster aggregata). Eighteen unique spe-
cies were observed in the intertidal flats before eelgrass de-
cline, and ten after decline. In the channel habitat, the most 
abundant species (across both time periods) were specked 
sanddab, staghorn sculpin, English sole (Parophrys vetulus), 
tube-snout  (Aulorhynchus  f lavidus),  and  topsmelt  
(Atherninops affinis). In the channel, 21 unique species were 
observed before eelgrass decline and 13 were observed after. 
However, there were no differences in per-trawl diversity in-
dices (either richness or Shannon diversity, Fig. 3) in either the 
intertidal flats (N = 52 trawls) or the channel habitats (N = 53  
trawls; Table S4, Table  S5).  There were also no seasonal dif-
ferences in diversity indices (Table S4, Table  S5, Fig.  3). 

Mean sample trophic level was higher in the post-eelgrass 
decline period in both the intertidal flats (Table S6a: p < 0.001,  
N = 51) and the channel (Table S6b: p < 0.001,  N = 50), but 
the magnitude of changes was relatively small (Figure S1). In 
the intertidal flats, there was a significant period by season 
interaction (Table S6a: p = 0.001; Figure S1), with a more 
pronounced increase in the summer in the post-eelgrass de-
cline period (Table S7; p < 0.001) than in the fall (Table S7; p 
= 0.01).  

Species composition 

The NMDS plots for both the intertidal flats and the channel 
show clustering of compositional data by both period and 
season (Fig. 4). Results of the PERMANOVA confirmed this 



Fig. 2 Total fish abundance (a, b) 
and total fish biomass (c, d) for  
the intertidal (a, c) and channel (b, 
d) per trawl during the fall (gray) 
and summer (black), before and 
after eelgrass decline. Error bars 
represent the standard error 
estimated using a two-stage 
bootstrap. Significant and non-
significant differences are shown 
as solid and dashed lines, 
respectively 

observation: there were significant differences across period, 
season, and period by season interaction terms for both the 
intertidal flats and the channel (Table S8). Species that con-
tributed to observed differences across periods and season are 
summarized in Table 2a-b and described below. 

In the intertidal flats, species composition differed 
across periods (Table S8a: p < 0.001, N = 51) in both 
the fall (Table S9a: p = 0.002, N = 51) and the summer 
(Table S9a: p = 0.01,  N = 51). The post-decline period 
was characterized (across both seasons) by fewer bay 
pipefish (Syngnathus leptorhynchus) and a greater abun-
dance  of  staghorn  sculpin  (Leptocottus  armatus; 
Table S10, Fig.  5a, b). There were also seasonal chang-
es: shiner perch (Cymatogaster aggregata) decreased in 
the  post-decline summer,  English sole  (Parophrys 
vetulus) increased in the post-decline summer, speckled 
sanddab (Citharichthys stigmaeus) increased in the post-
decline fall, and arrow goby (Clevelandia ios) declined  
in the post-decline summer but increased in the fall 
(Table S10, Fig.  5a, b). In the channel, species compo-
sition also differed across periods (Table S8b: p < 0.001,  
N = 50), but only in the summer (Table S9b: p = 0.001,  
N = 50), driven by post-decline increases in speckled 
sanddab, staghorn sculpin, and English sole (Table S11, 
Fig. 5c). 

Beach seine surveys (inside and outside of remnant 
eelgrass beds post-decline) 

There was no difference in fish density (Table S12a: p = 0.79,  
N = 20) or biomass (Table S12b: p = 0.23,  N = 20) between 
eelgrass and unvegetated habitats. There was also no differ-
ence across the sites surveyed in overall density (Table S12a: 
p = 0.36,  N = 20) or biomass (Table S12b: p = 0.30,  N = 20).  
However, there were differences in species composition be-
tween habitats and sites (Table S13: p < 0.001,  N = 20  in  both  
cases), as well as a significant site by habitat interaction 
(Table S13: p = 0.006,  N = 20, Table S14, Fig.  6). Species 
that contributed to observed differences across periods and 
season in each habitat are summarized in Table 2 (part c). In 
the mid-bay (Windy Cove), eelgrass habitat had a greater 
abundance of bay pipefish and topsmelt, and a lower abun-
dance of  staghorn sculpin  than unvegetated habitat  
(Table S15a, Fig. 6). Near the bay mouth (Coleman’s 
Beach), there was a similarly high abundance of bay pipefish 
in the eelgrass (with complete absence in the unvegetated 
habitat; Table S15b, Fig. 6). At the bay mouth, the eelgrass 
habitat also had higher abundances of kelpfish (Heterostichus 
rostratus), which were absent in the unvegetated habitat 
(Table S15b, Fig. 6). However, in contrast to the mid-bay site, 
near the bay mouth, there were more staghorn sculpin in the 



Fig. 3 Per-sample Shannon 
diversity (a, b) and species 
richness (c, d) for the intertidal 
flats (a, c) and the channel (b, d), 
before and after eelgrass decline. 
Error bars represent the standard 
error estimated using a two-stage 
bootstrap. There were no changes 
in Shannon diversity or species 
richness following eelgrass 
decline, in either the intertidal 
flats or the channel, as indicated 
by the dashed lines 

eelgrass habitat than in unvegetated habitat (Table S15b, Fig. 
6). As in the trawl surveys, at the bay mouth, there were more 
speckled sanddab in the unvegetated habitat than in eelgrass 
(Table S15b, Fig. 6). 

Discussion 

The  ecosystem-wide  loss of seagrass in Morro  Bay  offers a  
unique opportunity to assess how biogenic habitats structure 
associated communities. At the sites evaluated, loss of eel-
grass did not result in fewer fish or less biomass as hypothe-
sized, but led to changes in species composition. The post-
eelgrass decline period was generally characterized by in-
creases in flatfish and staghorn sculpin, and decreases in bay 
pipefish and shiner perch. The comparison of remnant eel-
grass patches with unvegetated habitat showed similar trends 
to the bay-wide assessment: unvegetated habitat had higher 
abundances of speckled sanddabs and lower abundances of 
bay pipefish. Compared with historic studies in Morro Bay 
(1974–1976; Horn 1979), species richness has declined over 
time, though not across the pre- and post-eelgrass decline 
periods. 

Fish abundance patterns in Morro Bay differed seasonally, 
which is typical of eastern boundary current marine systems. 

These systems tend to have strong seasonal variation in ocean-
ographic conditions (Walter et al. 2018b; Barth et al. 2020), 
which can lead to complex reproductive behavior and recruit-
ment patterns (e.g., Phelan et al. 2018). While there are rela-
tively few estuary-dependent species, many fish use estuaries 
as juvenile habitats (Rooper et al. 2006; Hughes et al. 2015). 
In the intertidal mudflats where eelgrass was formerly abun-
dant, bay pipefish, shiner perch, and staghorn sculpin were 
more abundant in the summer (June–August), while speckled 
sanddab were more abundant in the fall (October–November). 
Bay pipefish are permanent bay residents and prefer eelgrass 
habitat. Sizes were consistent across seasons, and the observed 
summer peaks in bay pipefish may represent seasonal increase 
in food availability (Barry et al. 1996). Shiner perch move to 
shallow water as distinct schools prior to spawning in early 
summer and perform elaborate reproductive behavior (Wiebe 
1968). Young shiner perch are born a year after the initial 
spawning between May and August (Wiebe 1968). In the 
pre-decline period, shiner perch were more abundant in the 
summer consistent with historic studies in Morro Bay 
(Fiernstine et al. 1973) and in nearby Elkhorn Slough (Barry 
and Cailliet 1981). However, their summer abundance de-
clined in intertidal mudflats following eelgrass loss.  
Staghorn sculpin often dominate estuarine fish communities 
by both abundance and biomass (Bottom and Jones 1990; 



Fig. 4 Two-dimensional 
ordination (NMDS) of species 
composition data from trawl 
surveys for intertidal flats (a, 
stress = 0.19) and channel (b, 
stress = 0.16). Sampling period is 
indicated by color (blue, pre-
decline; red, post-decline) and 
shape (circle, fall; triangle, 
summer) 

Table 2 Summary of species composition differences between seasons 
within a period and between periods within a season for a intertidal flats 
(former eelgrass) habitat, b channel habitat, and c beach seine surveys in 
adjacent eelgrass and unvegetated habitat. Species listed are those that 
contributed to compositional differences between seasons with a period, 
or between periods within a season, according to a SIMPER analysis. A 

“n.s.” denotes a comparison (between seasons or periods) that was non-
significant based on pairwise PERMANOVA comparisons. Blank cells 
indicate that for the given comparison, the particular species did not 
contribute to observed differences in species composition (based on 
SIMPER analysis) 

a) Intertidal flats (former eelgrass habitat) 

Species Period comparison Seasonal comparison 

(post relative to pre) 

In summer In fall In pre In post 

Arrow goby − + + Summer + Fall 

Bay pipefish − − + Summer + Summer 

English sole + 

Shiner perch − + Summer  

Speckled sanddab + + Fall 

Staghorn sculpin + + + Summer + Summer 

b) Channel 

Species Period comparison Seasonal comparison 

(relative to pre) 

In summer In fall In pre In post 

Bay pipefish n.s. + Fall 

English sole + n.s. + Summer 

Speckled sanddab + n.s. + Fall + Summer 

Staghorn sculpin + n.s. + Summer 

Tubesnout n.s. + Fall 

c) Beach seine surveys (unvegetated habitat relative to eelgrass habitat) 

Species Mid-bay Mouth 

Bay pipefish − − 
Giant kelpfish − 
Speckled sanddab + 

Staghorn sculpin + − 
Topsmelt − 



Fig. 5 Species abundances 
(natural log (+1) before (light 
gray) and after (dark gray) 
eelgrass decline for a intertidal 
flats in the fall, b intertidal flats in 
the summer, and c the channel in 
the summer. Species composition 
did not differ between pre-decline 
and post-decline periods for the 
channel in the fall based on a 
pairwise PERMANOVA. Species 
shown are those identified by a 
SIMPER analysis as contributing 
most to observed differences in 
species composition; standard 
errors are estimated using a two-
stage bootstrap. Where there were 
no individuals of a species for a 
particular period and habitat, this 
is indicated with a zero 

Monaco et al. 2009). This species commonly uses estuarine 
habitat for spawning between October and March, with eggs 
hatching approximately 2 weeks later, and juveniles remain-
ing in estuarine habitat until they move to deeper waters as 
adults (Moyle and Cech 2004; Miller 2007). In this study, 
staghorn sculpin were abundant in the summer months in both 

Fig. 6 Density of species 
contributing to observed 
differences in community 
structure between unvegetated 
habitats (dark gray) and eelgrass 
(light gray) based on a SIMPER 
analysis from beach seine data 
for: Coleman Park Beach 
(mouth), and Windy Cove (mid-
bay). Where there were no 
individuals of a species at a site, 
this is indicated with a zero 

the pre-and post-decline period. Based on their mean length 
(78 mm), most were juveniles below sexual maturity (Horn 
1979). Though staghorn sculpin increased in relative abun-
dance in the post-eelgrass decline period, beach seine data 
indicate that they have a site-dependent reliance on eelgrass 
(e.g., near the bay mouth) which could be related to predation 



pressure, though this requires additional studies. Speckled 
sanddab were in the juvenile range (20–90 mm; Love 2020), 
consistent with their use of estuaries as nursery habitat during 
this stage. 

In addition to seasonal fluctuations, fish recruitment is in-
fluenced by a host of oceanographic processes and environ-
mental factors that vary interannually. Between 2014 and 
2016, ocean temperatures were abnormally high along the 
California coast due to the North Pacific marine heatwave 
(Di Lorenzo and Mantua 2016; Gentemann et al. 2017). 
This warming event, which lasted until the spring of 2016, 
could have affected recruitment, movement, and survival pat-
terns prior to the fall 2016 and summer 2017 surveys, and it is 
possible that some seasonal or periodic changes in species 
composition are associated with this event. This study is lim-
ited to data from before and after the decline, and further post-
decline trawl surveys have been prohibited by regulatory 
agencies. However, by conducting beach seine surveys in 
the post-decline period in adjacent eelgrass and unvegetated 
habitats, the influence of eelgrass habitat and its absence was 
evaluated during the same time period. As in the trawl sur-
veys, beach seine surveys showed differences in species com-
position, but no difference in fish count or biomass between 
eelgrass and adjacent unvegetated habitat. Within the remnant 
eelgrass habitat, two additional species were also identified, 
topsmelt and juvenile giant kelpfish. Topsmelt are important 
forage fish for larger fishes, California sea lions, harbor seals, 
numerous sea birds, and Brandt geese (Brodeur and Buchanan 
2014). Since topsmelt females deposit eggs directly on eel-
grass (Williams and Zedler 1999), their populations are likely 
reduced with the bay-wide loss of eelgrass habitat, and beach 
seine surveys showed fewer topsmelt in unvegetated habitats. 
While there were no differences in topsmelt abundance in the 
pre- and post-decline trawl surveys, it is likely that these fish 
were under-sampled by the benthic trawls as they tend to 
reside above the bottom in mid or surface waters. A key dif-
ference between trawl and seine surveys was in the response 
of shiner perch to eelgrass absence. In contrast to the trawl 
surveys (where shiner perch declined in the post-eelgrass de-
cline period), shiner perch did not decline in unvegetated hab-
itats in the beach seine surveys. Shiner perch were abundant in 
the beach seine surveys, and the lack of difference in adjacent 
eelgrass and unvegetated habitats may indicate that they use 
eelgrass habitat but can move outside on small scales (~ 500 m 
spacing between seines), though this requires additional stud-
ies. Shiner perch have an affinity for structural habitat, and 
previous studies have shown higher abundances of shiner 
perch in eelgrass than in kelp or algal than in unvegetated 
habitats (Murphy et al. 2000). 

Typically, investigations of the importance of biogenic 
habitat on inhabitants involve comparisons between adjacent 
areas with and without a habitat or small-scale habitat removal 
experiments (Underwood 1995; Airoldi et al. 2008), which 

limit the ability to make inferences to entire ecosystems. In 
most other systems that have experienced seagrass declines, 
declines either led to partial seagrass loss or fish population 
data were not available before the decline. Fish populations 
often only respond to seagrass loss when loss reaches a certain 
threshold (Yeager et al. 2016), so studies of partial loss may 
not predict ecosystem-level response. For example, a study in 
North Carolina (USA) found that fish community structure 
and richness did not respond until seagrass reached < 25% 
cover, driven by the absence of epibenthic species at low 
seagrass cover (Yeager et al. 2016). There were two examples 
identified in a literature review of system-wide seagrass col-
lapse in which fishes had been assessed before and after de-
cline. A small (7 ha) seagrass bed that was lost in Japan fol-
lowing a 2009 typhoon resulted in losses in fish species rich-
ness (75% reduction) and abundance (85% reduction) com-
pared to a control site (Nakamura 2010). In Portugal, the Mira 
Estuary experienced large-scale seagrass losses and had asso-
ciated losses of fish species richness, diversity, and abun-
dance, with some species disappearing (Castro et al. 2019). 
There was one example identified of a temporary seagrass 
collapse in the Kariega Estuary in South Africa due to 
flooding in 2012, with full recovery over the subsequent 4 
years (Wasserman et al. 2020). In this case, abundance of an 
estuary-dependent marine sparid (family Sparidae) tracked 
trends in eelgrass coverage, especially in juvenile age classes 
(Wasserman et al. 2020). In other cases, the lack of pre-habitat 
decline fish data has been a challenge. For example, in 
Cockburn Sound in Western Australia, a bay lost > 3000 ha 
of seagrass between 1950 and 1970, but there were no pre-
decline data; however, post-decline comparisons of beaches 
with and without seagrass showed shifts in species composi-
tion (Vanderklift and Jacoby 2003). 

A literature review revealed additional studies of partial 
seagrass loss with variable fish community responses across 
five systems: Massachusetts, Chesapeake Bay, and Florida 
along the US East Coast; the Skegerrak archipelago in 
Sweden; and in comparisons of vegetated and unvegetated 
estuaries in southern Australia. Seagrass loss resulted in de-
clines in fish abundance and biomass in two cases: a localized 
eelgrass decline in Massachusetts (Hughes et al. 2002) and  a  
60% eelgrass decline in the Swedish Skegerrak archipelago 
(Pihl et al. 2006). In three cases, species richness or diversity 
was reduced: Massachusetts (Hughes et al. 2002), the 
Skegerrak archipelago (Pihl et al. 2006), as well as in a 29% 
eelgrass decline in the Chesapeake Bay (Lefcheck et al. 2017; 
Sobocinski et al. 2013). However, in Florida Bay, a loss of 
more than 4000 ha of seagrass (Robblee et al. 1991) resulted  
in an increase in species richness attributed to the habitat mo-
saic created by patchy seagrass die-off (Matheson et al. 1999). 
In four of the five studies, seagrass loss led to altered commu-
nity composition: in the Chesapeake Bay (Sobocinski et al. 
2013); in Florida Bay with declines in seagrass associated 



species and increases in benthic species (Matheson et al. 
1999); in the Skegerrak archipelago with losses or near ab-
sence of some groups of fishes in unvegetated areas (gadoids, 
labrids, syngnathids; Pihl et al. 2006); and in southern 
Australia where eelgrass estuarine sites were dominated with 
the syngnathid Stigmatopora nigra and juvenile whiting 
Sillaginodes punctata (a species of economic importance), 
while unvegetated estuarine sites were dominated by the 
flounder Rhombosolea tapirina (Connolly 1994). Thus, loss 
of seagrass (whether partial or ecosystem-wide) appears to 
consistently lead to shifts in species composition, with losses 
of specialist species (e.g., syngnathids) and increases in ben-
thic species (e.g., flatfish), and often to reductions in species 
richness or diversity, except when seagrass loss increases hab-
itat patchiness. However, declines in species abundance or 
biomass do not seem ubiquitous. 

Whether or not loss of biogenic habitat leads to an 
overall decline in fish abundance or biomass may be 
dictated by the predominance of habitat-specialists and 
the ability of other species to expand into unstructured 
habitat space. This has been widely assumed, but rarely 
tested in marine systems (Pratchett et al. 2012). This is 
the  case  in  coral  reef  systems where  widespread 
bleaching has led to losses of coral habitat over large 
spatial scales. An examination of the effects of the 1998 
mass bleaching event spanning seven countries and 66 
sites in the Indian Ocean found that the loss of corals 
did not lead to overall loss of fish abundance, but led to 
loss of species richness and changes in species compo-
sition with the loss of specialist species (e.g., obligate 
corallivores, planktivorous damselfish, and small fishes 
at risk of predation), but no change in generalist fishes 
(e.g., herbivore or mixed diet species; Graham et al. 
2008).  Similarly,  on the Great Barrier Reef,  mass 
bleaching in 2016 led to loss of obligate corallivores 
across 186 sites (Stuart-Smith et al. 2018). Smaller-
scale reef studies show similar findings, indicating that 
the proportional decline in the abundance of each spe-
cies relates to the degree of habitat specializations 
(Munday 2004). The findings of the present study also 
indicate that habitat declines disproportionally impact 
specialists. 

Resource specialization in marine fishes can therefore in-
crease extinction risk as biogenic habitats decrease. In addi-
tion to reducing the abundance of habitat specialists, loss of 
habitat across seascapes is likely to restrict population connec-
tivity and can lead to range contraction (Goodman et al. 2019). 
Specialist species are also more prone to extinction due to 
climate change because of lower colonization and dispersal 
ability (Mantyka-Pringle et al. 2012). Along the Pacific 
Coast of the United States, estuaries are widely spaced, and 
eelgrass is therefore a relatively uncommon habitat. For estu-
arine fish, each estuary may act as a crucial link to other 

estuaries allowing coast-wide connectivity. The bay pipefish 
(S. leptorhynchus) is part of the genus Syngnathus, which is 
typically strongly associated with eelgrass habitat (e.g., 
Whitfield et al. 2017). Bay pipefish range from Alaska to 
Baja California, and Morro Bay (California) serves as a 
boundary between two possible sub-species with different 
meristic characteristics (Herald 1941; Wilson 2006). A com-
plete loss of eelgrass in Morro Bay will increase the distance 
between nearby eelgrass beds, resulting in approximately 
400–500 km distance between Elkhorn Slough to the north 
and eelgrass beds on the Channel Islands or Santa Monica Bay 
to the south. Thus, the loss of eelgrass in Morro Bay may serve 
to genetically isolate bay pipefish sub-populations, making 
them more vulnerable. In North America, close to a third of 
the marine fishes and invertebrates surveyed off the coasts 
have already exhibited range contractions or regional declines 
in abundance (McCauley et al. 2015). There is also growing 
evidence suggesting that climate change will interact syner-
gistically with habitat loss and disproportionally contribute to 
the loss of species diversity (Mantyka-Pringle et al. 2012). 

Changes in species abundance and loss of diversity can 
also affect trophic levels and food webs. The results in the 
present study suggest that loss of eelgrass in Morro Bay was 
associated with a shift to species of a higher trophic level at the 
sites evaluated. By trophic category, the change is minor as 
most fish were secondary consumers before and after the de-
cline. Fishes that increased, staghorn sculpin and speckled 
sanddabs, consume epifaunal crustacea, with lesser ingestion 
of infaunal and epifaunal worms (Barry et al. 1996). Shiner 
perch, which declined in bay-wide trawl surveys, has a similar 
diet (Barry et al. 1996). Bay pipefish, which declined, gener-
ally feed on planktonic crustaceans (Froese and Pauly 2019). 
Thus, similar to the nearest estuary (Elkhorn Slough; Barry 
et al. 1996), Morro Bay appears to have few fish species that 
rely directly on primary production (consumption of algae or 
phytoplankton), with fish predating mainly on detritus-
consuming prey such as copepods, amphipods, and poly-
chaete worms. Small crustacea and polychaete worms respond 
rapidly to increases in micro- and macro-algal blooms during 
spring and summer, increasing food availability to fishes 
(Barry et al. 1996), and this may explain some of the seasonal 
patterns observed. Some of the fish species that declined play 
an important role in controlling eelgrass faunal communities. 
Both bay pipefish and shiner perch are key predators of a non-
native amphipod (Ampithoe valida) found in San Francisco 
Bay (USA, along the same coastline approximately 300 km to 
the north) that consumes large quantities of eelgrass (Carr and 
Boyer 2014). Conversely, pipefish predation of grazing am-
phipods (mesograzers) in eelgrass beds can increase epiphytic 
algal overgrowth and be detrimental to eelgrass in systems 
with  high primary productivity  and nutrient  ability  
(Jorgensen et al. 2007). Understanding whether estuarine-
wide declines in bay pipefish are affecting eelgrass herbivory 



or epiphytic growth in remnant beds in Morro Bay requires 
additional studies. 

Finally, in the portions of the estuary where eelgrass loss 
was most dramatic (back bay), previous work documented 
higher turbidities and temperatures, as well as lower dissolved 
oxygen conditions (and more frequent hypoxic conditions), 
compared to the bay mouth (Walter et al. 2018a). In Elkhorn 
Slough (~ 200 km away), hypoxic conditions had strong neg-
ative effects on the abundance of flatfish (English sole and 
speckled sanddab; Hughes et al. 2015). Thus, if water condi-
tions in Morro Bay continue to deteriorate, this could have 
adverse effects on the flatfish populations now dominating 
the bay, causing further system decline. 

Conclusions 

The estuary-wide loss of eelgrass in Morro Bay did not 
lead to fish abundance or biomass declines, but rather 
led to changes in species composition with increases in 
flatfish and sculpins and declines in habitat specialists 
like the bay pipefish. These results support evidence 
that the response of fish abundance to habitat loss de-
pends on the relative abundance of habitat specialists, 
which could be used as a predictor of ecosystem re-
sponse to habitat loss. However, future research is need-
ed to determine other ecosystem or community attri-
butes that promote maintenance of fish biomass amid 
habitat change. In addition, given that species composi-
tion shifts appear to be relatively common following 
major habitat loss, it is important to evaluate how such 
structural changes in fish communities affect ecosystem 
function including trophic dynamics for other taxa. In 
Morro Bay, if eelgrass loss was to continue, it would 
increase the scale of eelgrass habitat discontinuity along 
the US West Coast. For specialist species (e.g., bay 
pipefish), this could disrupt connectivity and shift the 
genetic structure of populations. 

Global studies on ecosystem resilience suggest that the 
presence of remnant habitat patches is important for re-
covery of ecosystem structure and function (Lotze et al. 
2011; O’Leary et al. 2017). Despite the scale of eelgrass 
decline, Morro Bay has remnant beds that may allow fu-
ture recovery, and protection of these beds is critical. 
Generally, the most common tool for habitat protection 
is  developing networks  of  marine  protected  areas  
(MPAs) through marine spatial  planning. However,  
MPAs alone may not be enough to protect critical habi-
tats: in Morro Bay, the entire bay is protected in two 
MPAs, a state marine reserve and a state recreational 
management area. It has been challenging to determine 
the cause of eelgrass decline in Morro Bay given the pau-
city of pre-decline data, but it may be due to sediment 

dynamics (Walter et  al.  2018a; Walter et al.  2020). 
Thus, where maintaining fish populations depends on 
protecting critical  habitat,  management will  require 
multi-faceted approaches that couple marine spatial plan-
ning with other local ecosystem-based management mea-
sures such as upstream management. 
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