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ABSTRACT 

Globally, reptiles are one of the most threatened vertebrate taxa, with a higher proportion of 

species threatened with extinction than either birds or mammals. The primary threat to reptile 

species is habitat loss, habitat change or habitat degradation associated with human population 

growth. Reptiles are relatively sedentary and many are habitat specialists which can be 

negatively affected by small changes in land-use or habitat quality. Many species have restricted 

distributions and many exist in low-density populations in which the deaths of a small number of 

individuals can lead to population-level declines. Unfortunately, our understanding of the 

responses of reptile species to habitat change or modification is currently limited. Despite 

numerous studies on individual species or assemblages, the literature is still geographically 

biased in favour of the New World and Australia, with more studies conducted in temperate 

areas than in the tropics. To date, little research regarding the responses of reptiles to habitat 

modification has been conducted in southern Africa, which was the motivation for this project. 

The grasslands of southern Africa have been heavily impacted by humans, primarily due to their 

suitability for agriculture. Reptiles occurring in these grasslands are therefore under immense 

pressure as the extent and quality of their habitat decreases. I tested the effects of various types 

of habitat modification on the reptile species in the grassland reserve Suikerbosrand Nature 

Reserve (SNR), Gauteng, South Africa. Using passive trapping, I surveyed reptiles in southern 

SNR in 2005-2006, and in northern SNR in 2009-2010. I investigated the efficacy of pitfall and 

funnel traps for sampling reptiles and show that the two trap types are complementary and that 

the use of both trap types should be considered when surveying reptiles. I compared the 

estimates of two species richness estimation techniques and their consequent utility when making 

decisions which must consider the distribution of reptiles within a managed, conservation 

landscape. I show that a hierarchical site-occupancy approach to species richness estimation is 

preferable for its ability to quantify uncertainty, link important variables in the decision-making 

process and for the richness of the information that the approach provides. Using a small-scale, 

experimental approach to habitat modification, I tested the effects of fire and grass cutting on 

reptile site occupancy during the 2005-2006 survey. Species for which sufficient data were 

available showed no, response to habitat modification by either fire or grass cutting. Species for 
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which insufficient data were available could not be analysed, and I recommend that a larger, 

landscape-level investigation is conducted to confirm or refute these findings. Lastly, I 

investigated the response of reptile species to a vegetation restoration programme conducted on 

the recently-acquired northern extension of SNR. Using data collected during the 2009-2010 

survey, I compared the species richness of sites at that were previously ploughed and then 

restored, sites that were ploughed and left to recover unaided, and sites that were not ploughed 

during the period for which records exist. The results indicate that there is no difference in the 

species richness of sites in the three groups, but that subtle differences in the species assemblages 

are still evident. Species such as Trachylepis capensis are more frequently detected at 

previously-ploughed sites than unploughed sites, while other species such as Nucras lalandii 

have never been detected in any previously-ploughed area - whether the target of restoration 

efforts or not. The cryptic nature of reptiles makes the job of studying reptile-habitat interactions 

that much more challenging, and remains one of the primary causes of low confidence in model 

parameter estimates. While low detection probabilities do not eliminate the possibility of firm 

conclusions, they do result in increases in both time and costs associated with reptile surveys. 

The work in this thesis indicates that significantly greater levels of effort are required to survey 

reptiles than is typically invested for the production of Environmental Impact Assessments. 

Fortunately, improvements in Bayesian methods over the past decade mean that data from 

different surveys will in the future be able to be combined in a meta-analytical framework, 

thereby reducing the demand on individual surveys and leading to greater improvements in our 

understanding of the responses of reptiles to habitat change. 

Ultimately, the work of this project demonstrates that we have much to learn regarding reptile 

responses to habitat change and their patterns of fine-scale distribution. One of the key, general 

findings of this thesis is that an explicit consideration of detection probability during the 

modelling of site occupancy and the derivation of species richness estimates is fundamental to 

studies of site occupancy within habitat mosaics. In this way, this thesis supports the growing 

literature on the subject, but this thesis is, to my knowledge, the first to apply these methods to 

southern African reptiles. 
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CHAPTERl 

Project Context and Conceptual Framework 

1.1. Introduction 

Reptiles comprise a significant portion of the vertebrate diversity of South Africa (Branch 2001). 

The great richness of the reptile fauna in South Africa contrasts with the little that is known 

about the life histories of many species (see Branch 1998), and new species are being described 

on a regular basis e.g. Branch et al. (2006). Limits in our understanding of reptile ecology and 

their resilience in the face of change, anthropogenic or otherwise, represent a significant obstacle 

in the efforts to conserve reptiles in South Africa. In 2004, I began an investigation into the 

effects of habitat management and the diversity of he rpetofa una in Suikerbosrand Nature 

Reserve (hereafter referred to as SNR). The work presented in this thesis is an extension of my 

initial study (i.e. Masterson, Maritz & Alexander 2008), but focuses on the reptile component of 

the herpetofauna only and seeks to address some of the key challenges regarding their 

conservation in SNR, particularly in light of the reserve's landscape context. 

My thesis has been structured into topical chapters that work through the relevant research issues 

from least to most complex. Chapter 1 deals with the background and contextual information 

necessary for those who are either new to the field of herpetology or wish to gain a broad 

understanding of the techniques used in the collection, analysis and presentation ofthe data. 

Data from the 2005-2006 survey is used in chapters 2, 3, 4 and 5. Chapter 2 assesses the benefits 

and challenges of using trapping to sample reptiles and presents an analysis of trap success. 

Chapter 3 presents a comparison between two methods of estimating species richness and their 

uti! ity for inference in a decision making context. Chapter 4 examines the effects of habitat 

modification by burning and grass-cutting on the reptile assemblages at affected sites. Chapter 5 

presents the results of a second herpetofaunal survey conducted in 2009-2010. Following on 

from the study of Masterson et al. (2009), Chapter 5 investigates the effects of a vegetation 

restoration project in northern SNR on the richness and similarity of reptile assemblages in 

previously cultivated grassland. Chapter 6 contains a summary and synthesis of the research 
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outcomes of the data chapters and my recommendations for future studies of reptile ecology, 

richness and distribution. 

1.2. Reptile Diversity 

1.2.1. Reptiles in southern Africa 

There are 421 recognised, indigenous reptile taxa (383 species and 38 subspecies) in South 

Africa, Lesotho and Swaziland (hereafter referred to as southern Africa), of which 190 (45%) are 

endemic (Bates et al. 2014). The structure and composition of southern Africa's reptile fauna 

broadly mirrors the global pattern. Lizards make up the greater portion of southern Africa's 

reptiles with 244 recognised species, followed by snakes with 116 species, 23 chelonian species 

and 1 crocodile species (Bates et al. 2014). The three most speciose lizard families are the 

Gekkonidae (70 species), Scincidae (59 species) and Cordylidae (39 species; Bates et al. 2014). 

Sixty-six of the 116 snake species are lamprophids (Lamprophiidae), a diverse family which is 

currently divided into five sub-families (Bates et al. 2014). All other snake families in southern 

Africa are represented by > 1 0 species - excluding Pythonidae (1 species) and the Typhlopidae (6 

species) - with the Viperidae containing the highest number of endemic snake species i.e. 5 

species (Bates et al. 2014). 

Recent work by Bohm et al. (2013) estimated that, globally, 19% of reptiles are Threatened i.e. 

listed in the Critically Endangered, Endangered or Vulnerable categories, and that another 7% 

are listed as Near Threatened. The proportion of reptiles in the Near Threatened and Threatened 

categories in southern Africa differs from the global estimates. Of the 421 taxa in southern 

Africa, 405 were assessed recently by Bates et al. (2014). Sixteen taxa were not assessed by 

Bates et al. (2014; typically due to them only entering South Africa peripherally and a deficiency 

of information for their distributions outside of South African), six species were assessed as Data 

Deficient and two species were listed as Extinct. Of the 397 extant and assessable reptile taxa, 36 

(9%) were listed as Threatened and 37 (9%) were listed as Near Threatened (Bates et al. 2014). 

The two Extinct taxa are both lizards i.e. Tetradaetylus eastwaadae (Cordylidae) and See/ates 

guentheri (Scincidae), and are now considered to have been driven to extinction by 

anthropogenic habitat loss (Bates et al. 2014). According to Bates et al. (2014), the major threats 
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to reptile species in southern Africa are (1) habitat loss, degradation or fragmentation i.e. 

agriculture, infrastructure development and fires, (2) intrinsic factors i.e. restricted range, limited 

dispersal or low densities, (3) natural disasters e.g. wildfires, (4) pollution i.e. chemicals, noises 

or lights that negatively impact upon species behaviour or reproduction, and (5) human 

disturbance. While each of these effects can be substantial in their own right, they can also 

interact in synergistic fashion with compounded negative impacts. 

With 190 endemic reptile taxa in southern Africa, the conservation stakes are high. Many of the 

endemic genera or species have restricted ranges that are easily threatened by small-scale threat 

processes. For example, 15 of the 17 recognised species in the genus Bradypodion (Dwarf 

Chameleons) are endemic to South Africa (Bates et al. 2014) and none are found outside of 

southern Africa (Tilbury, Tolley & Branch 2006). New species of Bradypodion are still being 

discovered and described (Branch, Tolley & Tillbury 2006; Tolley & Burger 2007) although 

resolving the relationships between them has proven challenging (Tolley & Burger 2004). Nine 

of the 17 Bradypodion species are listed as Threatened with two additional species listed as Near 

Threatened by Bates et al. (2014). The majority of Bradypodion species have restricted 

distributions due to their habitat specialisations, and are threatened with habitat loss and 

transformation (Bates et al. 2014). The conservation of species with restricted distributions 

depends upon an understanding of the habitat and population characteristics that influence a 

species' persistence. Dedicated research attention is required if we are serious about conserving 

the richness and diversity of the reptile fauna of southern Africa into the future. The extinction of 

two reptile species to date demonstrates the consequences of complacency. 

1.2.2. Reptiles in Gauteng 

Gauteng is the smallest province in the Republic of South Africa (17 010 km2) and contains only 

1.4% of the country's total land area, yet contributes 34.5% of South Africa's gross domestic 

product (Lehohla 2012). The province is highly urbanised and has a population of 10.4 million 

people at an average density of 616 people per km2 (Lehohla 2008). The needs of the population 

and the impacts of the province's industrial activities as well as anthropogenic changes in 

disturbance frequencies e.g. fire patterns constitute an obvious threat to the conservation of 

reptiles in the province. Continuing population growth and immigration mean that infrastructure 
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development and habitat transformation in Gauteng are still occurring at a rapid pace. Expanding 

road networks and changing land-use have resulted in the fragmentation of natural habitats with 

impacts on local populations of fauna and flora (e.g. Masterson et al. 2009). Nature reserves in 

Gauteng, such as SNR, are growing increasingly isolated due to urban sprawl, which approaches 

the reserve from both north (southern Johannesburg) and south (Heidelberg). As habitat 

surrounding SNR is transformed, reptile populations outside of the reserve are expected to 

decline with implications for metapopulation dynamics (sensu Hanski 1998) in the landscape. 

Gauteng lies on the transitional zone between the grassland and savannah biomes. In the south

west, the vegetation is predominantly high-altitude, or 'highveld', grassland, while in the north

east the lower altitude leads to a mix of treed vegetation and grassland, called 'bushveld'. Reptile 

distributions in Gauteng are often delineated by the changes in altitude and vegetation that occur 

in the north-easterly direction, with the majority of reptile species occurring in the north-east 

bushveld region (Bates et al. 2014). Gauteng is also topographically diverse with rocky outcrops, 

ridges, wetlands and rivers criss-crossing the province (Whittington-Jones et al. 2008) and has an 

altitudinal range of 600 metres from approximately 1300 to 1900 metres above sea level 

(m.a.s.!.). The presence of two biomes, the altitudinal range and the various landscape features 

likely playa significant role in the diversity of reptile species occurring in the province. Ninety

one reptile species (24% of the reptile species in South Africa) have been recorded within 

Gauteng's provincial boundary (Bates et al. 2014). One species is marginal to Gauteng i.e. 

Smaug vandami; the record of Lycodonomorphus laevissimus is considered unlikely to reflect an 

accurate identification; and one species has been introduced i.e. Bradypodion ventrale (Bates et 

al. 2014). Many of the species records are dated. Records of just 45 of the 88 reptile species that 

can be considered 'resident' in Gauteng were submitted to the Virtual Museum during the 

Southern African Reptile Conservation Assessment (SARCA), raising questions as to the status 

of the populations of the other 43 species in the rapidly changing landscape of Gauteng (Bates et 

al. 2014). Many of Gauteng's reptile species are generalists that inhabit numerous habitat types, 

but other species such as Chamaesaura aenea and C. anguina are grassland specialists that are 

susceptible to fire (Boycott 1990). Just two specimens of C. aenea were recorded at a single site 

in Gauteng during the 2000-2008 provincial survey (Whittington-Jones et al. 2008). A decline in 

the populations of the two Chamaesaura species are likely linked to urbanisation, land-use 

change and the modification of natural fire regimes (Bates et al. 2014). 
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In a landscape that is both diverse and highly-transformed, the formal protection of natural 

habitats plays an important role in the conservation of small vertebrates such as reptiles. A recent 

assessment of the protection afforded to reptile species in Gauteng concluded that 13 of the 88 

resident reptile species (± 15%), are currently inadequately protected, either by protected areas or 

legislation (Whittington-Jones et al. 2008). The work of this thesis recognises that protected 

areas playa critical role in the long-term protection and conservation of reptiles in Gauteng, but 

also that the habitat management of the province's protected areas "has long been biased towards 

ungulate production [and] may not suit all taxa" (Whittington-Jones et al. 2008). In a future 

where land-use in Gauteng is transformed to meet the needs of agriculture, housing or industry, 

the management of protected areas may play the pivotal role in the conservation of the province's 

reptile diversity. 

1.3. Suikerbosrand Nature Reserve 

1.3.1. Selection of a Grassland Study Site 

The Grassland Biome contains the most under-protected ecosystems and the greatest proportion 

of threatened vegetation types in South Africa (Driver et al. 2005). Three of the nine broad 

conservation priority areas of South Africa are in the Grassland Biome. In order of conservation 

priority, the Moist Grasslands, Bushveld-Bankenveld and Central Grasslands, rank 1 st, 3rd and 4th 

respectively on the list of priority conservation areas identified by Driver et al. (2005) in the 

National Spatial Biodiversity Assessment. The agricultural suitability of grasslands has already 

resulted in 49% of the biome being ploughed (Bredenkamp 2002) and further modification can 

be expected as anthropogenic pressures on the biome increase, particularly in Gauteng. With 

only 2% of the grassland biome formally conserved (Bredenkamp 2002) and a plethora of 

potential and current threats to its conservation (Driver et al. 2005), it is clear that the Grassland 

Biome of South Africa requires urgent attention from both conservation organisations and 

research institutes alike. 
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1.3.2. Reptiles in Suikerbosrand Nature Reserve 

Suikerbosrand Nature Reserve was proclaimed in 1973 to protect the mountain catchment of the 

Suikerbosrant plateau and to protect the associated biodiversity. The reserve is situated in high

altitude or 'highveld' grassland between 1545 and 1917 m.a.s.l. and receives a mean annual 

rainfall of 675 mm per year (Schultze 1997). In 2005, Gauteng Nature Conservation purchased a 

further 6936 ha adjoining the northern border of SNR, thereby increasing the size of the reserve 

to 18 587 ha and making SNR the largest grassland reserve in Gauteng (Fig. 1.1). The major 

threats to the integrity of SNR and its conservation objectives are (1) the probability of alien 

plant invasion, (2) the crop potential of the grasslands in SNR, (3) the mining potential of the 

area and (4) habitat fragmentation (Driver et al. 2005). Suikerbosrand NR is considered the most 

important protected area in the province due to its size and the grassland habitat it protects, and 

will playa critical role in the conservation of grassland reptile species in Gauteng (Compaan 

2006). 

A total of 39 reptile species have been recorded within SNR between 1973 and 2008 

(Whittington-Jones et al. 2008). The actual number of species present may be higher due to 

confusion about the species delineations in the Leptotyphlops (Bates et al. 2014). Recent surveys 

of SNR between 2004 and 2007 have, in total, captured 2466 individuals of 33 reptile species 

(Koen & du Toit 2007; Masterson, Maritz & Alexander 2008; Masterson et al. 2009). The effort 

has produced several noteworthy reptile records. For example, recent surveys of the newly 

acquired extension have detected the presence of a Nucras lalandii population (Masterson et al. 

2009). Nucras lalandii is rare in Gauteng, particularly south of Johannesburg (Whittington-Jones 

et al. 2008), and has not been recorded within the 1973 boundary of SNR during several surveys, 

making the population in northern SNR the only confirmed population for the species in 

Gauteng. The survey of Koen & du Toit (2007) provided the first confirmation of the presence of 

Homoroselaps lacteus in SNR, and trapped the first individual of H dorsalis within SNR in 

nearly 20 years. These outcomes demonstrate that intensive trapping surveys have the potential 

to improve the currently incomplete distribution data for many species, both in Gauteng and in 

South Africa. The quantity and quality of reptile data, the documented management of the 

reserve and the size of SNR make it an ideal location for an investigation into the effects of 

habitat management on reptiles. The reptile data has been used (e.g. Masterson et al. 2009) and 
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legend 

Fig. 1.1: The location of Suikerbosrand Nature Reserve (SNR) within Gauteng and South Africa 

(inset). The southern portion of SNR was proclaimed in 1973, while the northern portion was 

purchased by Gauteng Nature Conservation in 2005. 

will continue to be used (e.g. in this thesis) to investigate reptile distribution within SNR as well 

as the sensitivity of reptile assemblages to land use change. 

1.4. Reptile Conservation 

1.4.1. Managing habitat change for conservation purposes 

Conservation goals are achievable when protected areas or reserves are able to separate the 

biodiversity they protect from the processes that threaten the biodiversity (Margules & Pressey 

2000). In the case of SNR, the achievement of conservation objectives is complicated by the 

growth of human settlements surrounding the reserve, the impacts of regional mining on the 

area's hydrology and the threat of climate change. Managers of protected areas are challenged in 

that their influence on the development of human settlements, mining concessions and global 
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climate change are severely limited. Consequently this thesis focuses on the tools and 

management strategies that can be used to achieve conservation objectives within a protected 

area. In SNR, the two primary management tools are fire and herbivory. Fire is an invaluable 

management tool in that it is easy to control and can effect multi-scale changes in a landscape 

(Parr & Brockett 1999; Govender, Trollope & Van Wilgen 2006), while herbivory, and thus the 

management of ungulate populations, influences vegetation structure and composition 

(Sawadogo, Tiveau & Nygard 2005), which impact on vertebrates such as reptiles (Read 2002; 

Fabricius, Burger & Hockey 2003) and small mammals (Eccard, Walther & Milton 2000). 

An analysis of the structure or composition of one or several reptile assemblage/s requires that 

one can reasonably accurately measure or estimate the structure and composition of said 

assemblage/s. Note: In this thesis, the term "assemblage" is used when referring to a group of 

reptile species occupying the same site as opposed to the word "community" in that the former is 

a restricted group of phylogenetically-related species within a larger "community" (sensu Fauth 

et al. 1996). 

1.4.2. Method of Sampling 

Reptiles are typically solitary animals with secretive habits, which avert close study (Gardner, 

Barlow & Peres 2007). Various methods of sampling have been employed in our attempts to 

study them. Examples of sampling methods and tools employed for research purposes include 

active searching (Jones et al. 2000), transect surveys (Lindenmayer et al. 2008), pitfall traps 

(Driscoll & Henderson 2008), funnel traps (Cavitt 2000), coverboards (Russell, Guynn Jr. & 

Hanlin 2002), and glue traps (Whiting & Alexander 2001). Each of the various methods is 

particularly useful in specific settings e.g. using glue traps to immobilise reptiles that would 

otherwise evade capture by retreating into crevices, as well as for certain study objectives e.g. 

using pitfall traps to sample the leaf-litter reptiles in a forest patch. Many studies have compared 

the efficacy of the various sampling methodologies (Gibbons & Semlitsch 1981; Greenberg, 

Neary & Harris 1994a; Hobbs etal. 1994; Webb 1999; Enge 2001; Maritz etal. 2007; 

Thompson & Thompson 2007a; Kjoss & Litvaitis 2008; Hutchens & DePerno 2009). While such 

studies provide useful recommendations for choosing between available methods, caution must 

be employed when designing a study'S sampling methodology. As an example, the use of 
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coverboards to sample reptiles across a variety of habitat types creates a potential problem if the 

study aims to establish the 'suitability' of the habitat types. If the absence of cover is a potential 

limiting factor in a habitat type (either by increasing predation or limiting thermoregulatory 

options), the provision of cover as part of the sampling methodology may artificially improve the 

habitat's 'suitability' and lead to erroneous conclusions about the species-habitat interaction. 

The use of traps in faunal surveys has a long and well-established history from Fitch (1951) to 

the present. Basic trapping methods have undergone some notable improvements, such as the 

addition of drift fences to aid in the delivery of animals to the traps (Gibbons & Semlitsch 1981) 

and the design of novel trap types (Fitch 1951). Trap arrays i.e. structures that combine drift 

fences and traps, are a useful tool for sampling reptile assemblages in that they can function in 

most weather conditions, are able to catch terrestrial, fossorial and arboreal species of reptiles 

(Koen & du Toit 2007), standardise sampling effort between two locations (Maritz et al. 2007) 

and are stationary within a landscape, which can be used to control for effects of landscape 

features. Of course, the static nature of traps is also a disadvantage in that they are dependent on 

animal activity for their success. To compensate for this, traps are usually operated in periods 

when the activity levels of the target faunal group are at their highest. In the grasslands of SNR, 

the monthly trap captures of reptiles are at their highest between late spring and late summer i.e. 

November - February (Koen & du Toit 2007). 

1.4.3. Understanding reptile sensitivity to habitat change 

Many studies have reported on the effects of habitat characteristics on reptiles, although the 

number of reported studies is less than that for either birds or mammals (Gardner, Barlow & 

Peres 2007). Reptile sensitivity to habitat modification depends on microhabitat availability 

(Lillywhite & North 1974; James & M'Closkey 2003; Goode, Swann & Schwalbe 2004); 

dispersal and recolonisation following a disturbance (Twigg & Fox 1991); the type of 

disturbance (Jones et al. 2000); predation intensity following modification (Janzen 1976; Reinert 

1993); and the thermal properties of the habitat (Row & Blouin-Demers 2006). Given the 

difficulties involved in comparing all these factors simultaneously and the range of scales at 

which they operate, studies on these factors tend to revolve around factor hierarchies (Fischer, 

Lindenmayer & Cowling 2004). For example, species distribution may be well explained by 
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climatic variables at larger scales (Guisan & Hofer 2003), yet poorly explained by climate at 

smaller scales where habitat features become more important (Greenberg 200 I; Ribeiro et al. 

2009). Studies which focus on a single scale are not always ideal for the development of broader 

ecological theories, as there are limits to the number of factors that can be adequately controlled, 

the number of replicates required to adequately model factor effects, and because interactions 

between factors are likely (Jones et al. 2000). Nevertheless such studies are useful in that they 

focus attention on a particular subset of factors operating at the relevant scale (Hodgkison, Hero 

& Warnken 2006). 

Recently, some authors have argued that our understanding of the effects of habitat change on 

reptiles remains poorly developed (Gardner, Barlow & Peres 2007). Gardner, Barlow & Peres 

(2007) used criteria regarding the geographic coverage of studies on habitat change and the 

correlation between a priori expectations and observed responses to habitat change to assess the 

status quo of scientific understanding. Currently, there is little consensus regarding the effects of 

many types of habitat change on reptiles species or assemblages (Gardner, Barlow & Peres 

2007). This poses a challenge for researchers, who must potentially test for the effects of many 

ecological parameters e.g. habitat features, climate variables, edge effects etc. with a limited 

budget, and conservation managers, for whom incorrect assumptions regarding species can have 

severe consequences. The literature is currently geographically and taxonomically biased, with 

more studies conducted in the New World and temperate areas, and more studies conducted on 

amphibians than reptiles respectively (Gardner, Barlow & Peres 2007). Due to broad 

discrepancies in sampling method (see Section 1.5.1 below), study design and the reporting of 

basic statistics or patch size, Gardner, Barlow & Peres (2007) were unable to conduct a formal 

meta-analysis of the published literature and were limited to general comments and observations 

about reptile-habitat interactions. Considering that habitat change is considered the greatest 

threat to the survival of reptile species (Bohm et al. 2013), the challenges encountered by 

Gardner, Barlow & Peres (2007) during their review offers a clear signal that greater attention 

needs to be given to the study of reptile habitat requirements. 
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1.4.4. Natural forms of habitat change 

Fire is a natural phenomenon in southern African ecosystems yet its impacts on the less vagi Ie 

groups of vertebrates i.e. small mammals, reptiles and amphibians, are under-investigated and 

poorly understood (Parr & Chown 2003). International literature provides examples of all three 

possible impacts of fire on reptile species: (1) an increase in richness or abundance following fire 

(Mushinsky 1985; Jones et al. 2000 (snakes); Cunningham et al. 2002), (2) a decrease in richness 

or abundance following fire (Lunney, Eby & O'Connell 1991; Mushinsky 1992; Cavitt 2000; 

Jones et al. 2000; Woinarski, Risler & Kean 2004) and (3) no response to fire (Lunney, Eby & 

O'Connell 1991; Ford et al. 1999; Cavitt 2000). Within a single assemblage, species responses to 

fire may vary drastically, where some species appear impervious to the impacts of fire and others 

exhibit successional specialisation (Smith, Bull & Driscoll 2013). In southern Africa there are 

few studies that provide information on the sensitivity of reptiles to fire (e.g. Wright 1988; 

Masterson, Maritz & Alexander 2008). This is concerning given the widespread use of fire in the 

management of the region'S protected areas. Additional research into fire's impacts on reptiles in 

southern African ecosystems is necessary for the refining of fire management in protected areas. 

In SNR, fire is currently used to regulate vegetation biomass and to relieve the grazing pressure 

on well-established grazing lawns in the reserve by drawing herbivore herds to the flush of post

fire growth in novel areas. 

Herbivory, like fire, is an important part of ecosystem dynamics, as vegetation structure and 

composition often vary in response to the intensity, duration and type of grazing e.g. selective or 

non-selective (Archer 2004; Metzger et al. 2005). In my 2004 study, I captured fewer species of 

reptiles and amphibians in the heavily-grazed areas of SNR than in the lightly-grazed areas; a 

result which was correlated with site-specific differences in the structure of the vegetation 

(Masterson, Maritz & Alexander 2008). By contrast, a fence-line survey around the Greater Fish 

River Reserve in the Eastern Cape province of South Africa by Fabricius, Burger & Hockey 

(2003) trapped more reptiles in the communal grazing area bordering the southern edge of the 

reserve than in the reserve itself. In this instance, the more open habitat was preferred by xeric

adapted species over the more dense thicket within the reserve (Fabricius, Burger & Hockey 

2003).Read (2002) investigated the impacts of overgrazing on arid-zone reptiles in Australia. His 

study indicated that local reptile assemblages were, on the whole, resilient to short bouts of 
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overgrazing and that changes in species abundance were linked to changes in the vegetation 

cover of the grazed habitats. Woinarski & Ash (2002) studied the effect of sustained pastoralism 

(> 1 00 years) on vertebrate assemblages in an Australian savannah. Their study, and that of James 

(2003), found that diurnal reptiles are more sensitive to sustained grazing pressure than nocturnal 

reptiles, as the latter were equally abundant on grazed and un grazed sites. 

1.5. Estimating species richness 

Data generated from a sampling protocol follow a predictable pattern. Initially, each additional 

sample adds new information to the dataset regarding species richness, but in later stages of 

sampling, the additional samples contribute few or no additional species to the list of sampled 

species (Colwell & Coddington 1994; Gotelli & Colwell 2001; Magurran & Henderson 2003). 

The goal of many sampling scenarios is to observe/detect/capture every species present at each 

sample site, yet in practice this is not possible because the detection probability of the species 

being sampled is not perfect i.e. p < 1 (Colwell & Coddington 1994; MacKenzie et al. 2002; 

Mao & Colwell 2005; Royle et al. 2010). Detection probability (also referred to as detectability 

e.g. Kery & Schmid 2004) is determined by the interaction of factors such as species identity, 

sampling method, timing of sampling, abundance and behaviour. A species that is very difficult 

to detect during certain periods of the year may be easily detected in others e.g. flowering plants 

or breeding amphibians (Mazerolle et al. 2007). In the same way, species that are hard to detect 

using one sampling method may be easily detected using another e.g. trapping versus active 

searches (Hutchens & DePerno 2009). Knowledge of the detection probability of target species 

provides valuable information about the type, timing and duration of sampling that will likely be 

required to confirm either the presence or the absence of those species at a sample site (Dorazio 

et al. 2006). 

No matter how successful sampling is, it is reasonable to expect that species which are present at 

a site or in the study area will remain undetected after sampling has finished. Analysis of 

sampling data can either utilise uncorrected count/detection data for observed species (e.g. 

Greenberg, Neary & Harris 1994b) or corrected count/detection data, which include an estimate 

of the number of species not detected during sampling (e.g. Colwell & Coddington 1994; 

MacKenzie et al. 2002). Using uncorrected count/detection data to estimate state variables of 
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interest e.g. population size, site occupancy or species richness, requires the use of strict 

assumptions e.g. all species present at a site are detected during sampling, which are easily 

violated (Mazerolle et al. 2007). In recent times, the use of corrected count/detection data has 

become standard in studies of species richness and many studies are devoted to the methods by 

which an accurate estimate can be achieved (e.g. Chao 1987; Sober6n & Llorente 1993; Colwell 

& Coddington 1994; Boulinier et al. 1998; Walther & Martin 2001; Magurran & Henderson 

2003; Thompson et al. 2003,2007; Ugland, Gray & Ellingsen 2003; Chiarucci et al. 2003; 

Dorazio & Royle 2003; Colwell, Mao & Chang 2004; Chao & Shen 2004; Gelfand et al. 2005; 

Murtaugh & Birkes 2006; Dorazio et al. 2006; Hortal, Borges & Gaspar 2006; Thompson & 

Thompson 2007b; Kery & Royle 2008; Longino, Coddington & Colwell 2009; Meyer et al. 

2011). 

1.5.1. Species accumulation curves 

Species accumulation curves tend to rise steeply in the initial stages of sampling but 'plateau' or 

asymptote as the discovery of new species decreases in later stages of sampling (Thompson et al. 

2003). The greater the degree of asymptote in a species accumulation curve, the greater the 

completeness of the sampling (Thompson et al. 2003). This does not mean that all species 

accumulation curves have the same shape when plotted from the raw data, as the shape of the 

curve is directly determined by order in which samples are added (Gotelli & Colwell 2001). In 

order to compare two species accumulation curves that are inherently variable, it is critical that 

they be 'normalised' (Gotelli & Colwell 2001). 'Normalisation' involves the repeated 

randomisation of the sample order and the calculations of mean species richness at each sample 

size (Gotelli & Colwell 2001) and a number of software programs e.g. EstimateS (Colwell 2013) 

have been designed to perform the randomisations and calculations from the raw data. The curve 

produced by randomised re-sampling of the dataset is called a sample-based rarefaction curve 

and is 'smoother' than the original species accumulation curve (Fig. 1.2). It is these sample

based rarefaction curves that facilitate the comparison of species richness between two sampling 

localities. 

Repeated, randomised re-sampling of the data contained in repeated samples during a survey 

generates the statistically-expected species accumulation curve for the assemblage surveyed 
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(Colwell, Mao & Chang 2004). The re-sampling process can be conducted with or without 

replacement of the sample in the available pool of samples, depending on the assumptions one 

considers reasonable. These expected curves can be used to compare the species richness of two 

localities, even when the samples are of unequal sizes. If two 'unequal' curves are compared, the 

curve based on the larger sample is rarefied down to the total size of the smaller sample and the 

two curves are compared at this point (Hubalek 2000). Thus, while the standardisation of 

sampling effort is useful for comparing the relative rates of species discovery, it is not critical 

that equal numbers of individuals are sampled (Gotelli & Colwell 2001). Masterson et al. (2009) 

made use of this curve comparison method to assess differences in reptile assemblages between 

three habitat types in northern SNR. Finally, a sample-based rarefaction curve can be 

extrapolated in an attempt to identify the curve's asymptote, which is then used as an estimate of 

total species richness (Colwell, Mao & Chang 2004). 
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Fig. 1.2: The difference in the shape of species accumulation curves and sample-based rarefaction 

curves. Data for the curves are from the before-treatment phase of the reptile survey in Chapter 4. The 

species accumulation curve shows the accumulation of species as observed during the trapping. The 
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rarefaction curve was generated using 1000 randomisations of sample order and shows the statistical 

expectation of the curve for the data collected. 

1.5.2. Non-parametric Richness Estimators 

Non-parametric richness estimators have a long and respectable history of use in ecological 

studies e.g. Jacknife estimation (Burnham & Overton 1978). There are various types of non

parametric richness estimator but the common thread is that they estimate species richness 

directly from the data, or data summary e.g. Chao 1 (Chao 1984). Non-parametric estimators are, 

usually, mathematically tractable in that they use the number of 'rare' species present in the 

observed sample to estimate the number of species that were not detected (Hortal, Borges & 

Gaspar 2006). From a sampling perspective, 'rare' species are usually defined as those species 

that are observed either once or twice in the entire sampling effort (Chao et al. 2005). The 

presence and number of rare species in a dataset provides information regarding the degree of 

undersampling of the true species richness (Coddington et al. 2009) and is a product of a variety 

offactors such as small population sizes (Gaston & Lawton 1990), species-specific detection 

probabilities (Gotelli & Colwell 2001) and seasonal variation in activity (Cavitt 2000). In terms 

of sample completeness, the greater the difference between the number of species observed and 

the estimated species richness, the less complete the sampling effort has been (Sober6n et al. 

2007). No matter what type of study is conducted, the data summary required by a given non

parametric estimator is the same in each case. 

1.5.3. Site-occupancy modelling 

Hierarchical, parametric models are incredibly flexible in their structure. Depending on the 

research aims, hierarchical models may be simple or complex, but increasing model complexity 

is usually just a function of extending a simpler model to include the additional research 

considerations (see Royle & Dorazio 2008; Kery 2010). The greatest advantage of the 

hierarchical model approach is that there is a clear separation of the ecological parameters i.e. 

factors affecting \jf, and the 'nuisance' parameters i.e. factors affecting p (Royle & Kery 2007; 

Kery & Royle 2008; Bled, Royle & Cam 2011). Consequently, the hierarchical model is the 

researcher's representation of the data generation process, which fosters an understanding of the 

ecological processes from which outcomes, such as site occupancy, result (e.g. Royle, Nichols, 
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& Kery 2005; Bled et al. 2011). The major difference between the non-parametric estimators and 

the hierarchical modelling approach is that the latter does not estimate species richness directly 

(Dorazio & Royle 2005a). The hierarchical model estimates the site occupancy of each species in 

light of its detection probability. Species richness is derived by summing the number of species 

that are estimated to occur at each site or in total (Kery & Royle 2008). One drawback of the 

parametric approach is that model predictions of site occupancy (and therefore estimates of 

species richness) are sensitive to assumptions about the underlying distribution of detection 

probabilities within the assemblage (Dorazio & Royle 2003). When these estimates differ vastly, 

it becomes difficult to select the best distribution to use (Link 2003). Prior knowledge about 

sources of variation in detection probability offers the only means to resolve such an impasse 

(Dorazio & Royle 2003). 

1.6. Summary 

The aim of this thesis is to investigate the effects of habitat modification on reptiles in SNR. 

Southern Africa supports a rich variety of reptile species that are often overlooked during 

conservation planning because they typically have little economic value. Reptiles are also 

challenging to survey, which means that methods need to be chosen to address the objectives of 

each study. 

During my review of the literature, I struggled to find studies that made use of similar methods to 

those that I employed. For example, while all of the reptile studies I reference in this thesis 

provide valuable information, few of these studies make use of hierarchical modelling techniques 

(but see Kery & Schmidt 2008; Kery et al. 2009a). Analyses of the 'suitability' of habitat types 

for various reptile species are often based on raw counts (e.g. Masterson, Maritz & Alexander 

2008), or on estimates of species richness that use summaries of the count data (e.g. Masterson et 

al. 2009). 
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CHAPTER 2 

Trap Design and Efficacy 

The combined use of pitfall and funnel traps for sampling reptile assemblages originated from the 

understanding that pitfall and funnel traps are complementary in their sampling efficacy. 

Nevertheless, many herpetological studies make use of only a single type of trap in their 

sampling methodology, with little or no justification for the use of a single trap type. The use of a 

single trap type seems based on the assumption that various trap types detect reptile species at 

similar rates. I tested the hypothesis that pitfall and funnel traps are equaIly effective i.e. identical 

sampling units, for the purposes of reptile surveys. Using data from an eight-month reptile survey 

in Suikerbosrand Nature Reserve, I estimated the mean detection probability of all reptile species 

in funnel or pitfall traps, as weIl as the detection probability of each reptile species in pitfall and 

funnel traps. Estimates of the mean detection probability of the entire reptile assemblage 

indicated no significant differences in the overaIl efficacy of either trap type. While the mean 

detection probability of reptiles in funnel traps was slightly greater than in pitfall traps, there was 

a large degree of overlap in the posterior distributions of the two estimates. Nine of the 20 reptile 

species detected during the survey were significantly more likely to be detected in one or other of 

the trap types. Of these nine species, four species (two lizard and two fossorial snake species) 

were more likely to be detected in pitfall traps than funnel traps, while five species of terrestrial 

or semi-fossorial snakes were more likely to be detected in funnel traps than pitfall traps. The 

results of my comparison indicate that pitfall and funnel traps are complementary in sampling 

efficacy. The combined use of pitfall and funnel traps in my survey led to the detection of a 

greater number of species than would have been detected by the use of a single trap type. These 

findings provide strong justification for the use of both pitfaIl and funnel traps in studies of 

terrestrial reptile species richness patterns. The work in this chapter demonstrates that the 

quantitative analysis of variation in detection probability can be used to decide on the most 

effective method for the detection of a target species in studies of reptile assemblages or single, 

target species. 
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2.1. Introduction 

Trap arrays used for sampling terrestrial reptiles usually consist of traps and drift fences. The 

combined use of drift fences with traps greatly increases the capture rates of target individuals 

because the drift fences intercept and guide animals towards the traps. The documented use of a 

system of traps (referred to here as a trap array) to census vertebrate populations and compile 

species inventories dates back to 1945 (Gibbons & Semlitsch 1981). Their usefulness as tools for 

ecological studies and the design of new trap types (e.g. funnel traps; Campbell & Christman 

1982) has led to development of a 'pro-trap-array' paradigm in reptile ecological research. This 

is evident in the number and variety of recent studies that report the use of trap arrays in their 

methodology (Akani et al. 2002; Thompson & Withers 2003; Letnic et al. 2004; Andrews & 

Gibbons 2005; Wilgers & Horne 2006; Thompson et al. 2007). 

There are several advantages to using trap arrays in faunal research. Trap arrays allow for the 

continuous, simultaneous, standardised sampling of multiple areas, which is more efficient than 

active searching and not subject to the same bias in sampling efficiency (Maritz et al. 2007). 

Trap arrays can provide valuable data on habitat preferences, species abundance distributions, 

seasonal activity etc. and are useful for detecting the presence of rare or cryptic species (Maritz 

et al. 2007; Masterson et al. 2009). Finally, the use of trap arrays for passive sampling does not 

preclude the use of other sampling techniques in a study and may also be used as one of the 

components in multi-taxon studies (e.g. Maisonneuve & Rioux 2001; Jobin et al. 2004; Letnic et 

al. 2004; Gardner, Barlow & Peres 2007). 

In order to make the best use of trap arrays, it is important to understand their strengths and 

weaknesses. Studies that have compared the effectiveness of different trap array designs or trap 

types (e.g. Hobbs et al. 1994; Enge 2001; Thompson et al. 2003; Maritz et al. 2007; Thompson 

2007) playa fundamental role in shaping future survey designs. Typically, the design or layout 

of trap arrays varies between studies (Maritz et al. 2007), regions (Enge 2001), habitat types 

(Thompson et al. 2003) and researcher. Array layout can influence the interception of animals 

and thus affect the capture rates of the target species (Hobbs et al. 1994; Enge 2001). Trap arrays 

can take many shapes: closed crosses (Masterson et al. 2009), exploded crosses with a gap 

between drift fences· in the centre of the trap array (Maritz et al. 2007), L-shaped, Y -shaped 
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(Enge 2001) or parallel rows of drift fences (Thompson et al. 2003). The types of traps that are 

used in conjunction with drift fences vary in similar fashion. Some studies make exclusive use of 

pitfall traps in their trapping (e.g. Block, Morrison & Scott 1998; Attum, Covell & Eason 2004; 

Donnelly, Chen & Watkins 2005), some make use of a combination of pitfall and funnel traps 

(e.g. Fabricius, Burger & Hockey 2003; Andrews & Gibbons 2005; Masterson, Maritz & 

Alexander 2008), while others report the exclusive use of funnel traps in their trap arrays e.g. 

(e.g. Wilgers & Horne 2006). The shape or layout of drift fences can be expected to influence the 

probability that reptiles are intercepted during movement periods (Ellis & Bedward 2014), 

whereas the trap types determine the probability that an intercepted reptile is successfully 

trapped (Greenberg, Neary & Harris 1994a). 

I tested the assumption that pitfall and funnel traps are differentially effective for the sampling of 

reptiles. Pitfall traps are simple traps requiring little more than the time taken to install then, 

while funnel traps must be designed, manufactured and maintained. Funnel traps are easily 

damaged by wild animals and are, dependent on the materials used to construct them, also 

subject to weathering over the course of a survey. The primary goal of the reptile survey from 

which these data come was to compare reptile diversity before and after habitat disturbance and 

thus I was interested in confirming whether the extra effort involved in constructing and 

maintaining funnel traps improved the success of my sampling or not. If funnel traps are less or 

only equally as effective as pitfall traps, then there is no compelling reason to use the two trap 

types in combination. If funnel traps are more effective than pitfall traps, then there is little 

reason to spend time and energy in the installation of pitfall traps. However if differences in the 

two trap types are complementary, then there is good reason to make use of both pitfall and 

funnel traps in a single trap array. This is particularly pertinent for studies which aim to survey 

the richness of a diverse reptile assemblage. 

Understanding the effects of sampling methods on estimates of species richness is an important 

component of the interpretation of species richness patterns. Methods that have little or no 

chance of detecting particular species or groups of species will result in negatively biased 

estimates of species richness and obscure true patterns of occurrence (Mao & Colwell 2005). 

While one may assume that these factors are less likely to influence the relative nature of results 

if all trap arrays are uniformly constructed and installed, it is not generally difficult for a 
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researcher to test their assumptions about sampling efficacy or lack of bias and to report the 

results of such tests e.g. (Enge 2001; Hutchens & DePerno 2009). 

2.2. Materials and Methods 

Twelve, four-armed, cross-shaped trap arrays were installed in the southern grasslands of 

Suikerbosrand Nature Reserve (SNR) to record the effects of habitat modification on reptile 

diversity (the results of which are reported in Chapter 4). Traps were opened and checked from 

29 August 2005 until 26 April 2006. Each trap array consisted of four 9-m drift fences, five 

pitfall traps and eight funnel traps (Fig. 2.1), as per Maritz et al. (2007) and (Masterson et al. 

2009). Throughout the survey, all traps were checked at least daily (or occasionally every second 

day due to logistical constraints) resulting in 156 trap checks during the period of sampling. Drift 

fences were constructed using 300 mm-wide, bicoloured (one side blue, one side black; Fig. 2.2), 

300 )..lm thick roofing plastic, and stood approximately 250 mm high when installed. Funnel 

traps, 600 mm long with a diameter of 100 - 150 mm, were constructed with steel window mesh. 

Funnel-entrances ranged from 50-70 mm in diameter. I used two bucket sizes for the pitfall traps; 

five-litre buckets were used for all peripheral pitfall traps and a 10-litre bucket was used for the 

centre pitfall trap. 

I shaded both the funnel and pitfall traps in order to reduce heat stress and heat-related mortality 

of reptiles (or other animals) caught in the traps. Funnel traps were covered with cut grass while 

pitfall traps were covered with 6 mm thick plywood boards (Central pitfall: 300 mm x 300 mm; 

Peripheral pitfall: 260 mm x 260 mm). I inserted 90 mm nails in the corners of the cover boards 

to raise the central cover board 50 - 100 mm above the lip of the pitfall trap, and to brace the 

peripheral cover boards against the drift fence above the peripheral pitfall traps. 

2.2.1. Data Analysis 

I tested the null hypothesis that pitfall traps and funnel traps are equally effective at sampling the 

reptile assemblage in southern SNR. I assumed that there was no overall bias in the probability 

with which a reptile species encountered each of the two trap types. In other words, I assumed 

that the movement patterns of each reptile species did not lead to a greater number of encounters 

with either pitfall or funnel traps over the course of the survey. Based on the layout of my trap 
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Fig. 2.1: Plan view of the layout ofa trap array showing the position of the 8 funnel traps and the 5 

pitfall traps (from Maritz et at. 2007). 

Fig. 2.2: A trap array in the grasslands of Suikerbosrand Nature Reserve. The photograph shows the 

two-tone nature of the plastic. 
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arrays (Figs 2.1), this assumption seems reasonable as a reptile moving along a drift fence will 

encounter either a pitfall or a funnel trap. 

For each day of trap checking (N = 156), I scored the detection and non-detection of each reptile 

species in the two trap types. A species detected once or multiple times on any given day scored 

a 1 (i.e. detection/s = 1, non-detection = 0). I used a Generalized Linear Mixed Model (GLMM) 

to estimate the detection probability of each reptile species in each trap type. The model is a 

mixed model because I assumed a common prior distribution for the random effect of species 

identity on detection probability, but a fixed effect of trap type on detection probability. In 

algebraic form, I assumed that: 

Yij ~ binomial (N, Pij) eqn 2.1 

logit (Pi]) = Uji eqn 2.2 

eqn 2.3 

where Yij is the observed vector of detections or non-detections for species i in trap type} during 

the survey period, N is the number of times that the traps were checked during the survey period, 

Pij is the estimated daily probability of detecting species i in trap type}, Uji is the logit-scale 

detection probability of each reptile species in each trap type. Lastly, I assumed that the mean 

detection probability of each reptile species in each trap type follows a normal distribution with a 

mean of Ilj and variance of varj i.e. a hyper-distribution. For the purpose of this study, it is the 

parameter estimates of this hyper-distribution that are of primary significance as they indicate the 

overall effectiveness of the two trap types for sampling the entire reptile assemblage. The key 

assumption of this comparison is that all reptile species have a non-zero detection probability in 

both trap types. 

Data were analysed in a Bayesian framework using WinBUGS 1.4 (Lunn et al. 2000). To 

summarise the posterior distributions of Pij, Uji , Ilj, varj, I ran three Markov chains of 50000 

iterations and discarded the first 25000 iterations as burn-in and thinned by 1, resulting in 25000 

samples of the posterior distribution for each parameter. I assessed the convergence of the 

Markov chains for each parameter in two ways. The first assessment involved the visual 

inspection of the chains to look for trending in the values of the parameter estimates. Trends in 
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Markov chains indicate that some estimates are drawn from outside of the parameter's stationary 

distribution, thereby causing errors in estimation. The second assessment involved the inspection 

of the Gelman-Rubin statistic (Rhat; Gelman & Rubin 1992). To assess the fit of my model, I 

used a posterior predictive check recommended by Kery (2010). The posterior predictive check 

is a comparison of the fit of the model to the actual, observed data with the fit of the model to an 

'ideal' data set that is simulated using the parameter estimates (Kery 2010). To graphically 

assess the model fit, the residuals of the model for the actual data are plotted against the residuals 

of the model for the' ideal' data. The model fits the actual data well if the points are 

approximately evenly scattered around the 1: 1 line (Kery 2010). The summary statistic of the 

posterior predictive check for Markov chain models is called the Bayesian p-value and 

approaches 0.5 from either direction as the fit of the model improves. For the posterior predictive 

check of my binomial GLMM, I measured discrepancy using standardised chi-squared residuals. 

In specifying the model, I used a non-informative, normal prior for the mean detection 

probability of a reptile species in each trap type i.e. Ilj ~ normal (0, 30). I also tested the 

hypothesis that the efficacy of each trap type did not differ for each reptile species i.e. Ho: Di = 0, 

where D is the difference in mean detection probability between the two trap types for species i. 

Using each iteration of the estimated values of aji in eqn 2.2, I derived the posterior distribution 

for D according to: 

eqn 2.4 

Where Di > 0, funnel traps are more effective than pitfall traps at detecting species i, but where 

Di < 0, pitfall traps are more effective than funnel traps. 

2.3. Results 

Analysis of the Gelman-Rubin statistic (Rhat) for the binomial GLMM indicated satisfactory 

convergence of the Markov chains for each parameter (all Rhat values < 1.1; Gelman et ai., 

2004). The Bayesian p-value for the sum of chi-squared residuals was calculated as 0.495, 

indicating that the fit of the model to the actual data was also satisfactory (Fig. 2.3). A poorly

fitting model would indicate the violation of the model assumptions or a structural flaw in the 

model specification (Kery 2010). 
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The detection probability of reptiles varies between species and trap types. Species-specific 

detection probabilities in pitfall traps ranged from 0.43 ± 0.04 (mean ± 1 SE) for Gerrhosaurus 

flavigularis to 0.002 ± 0.003 e.g. Psammophis crucifer (Table 2.1). The estimated detection 

probability of funnel and pitfall traps differed for nine of the 20 reptile species detected during 

this survey i.e. 45% of the observed assemblage. Pitfall traps were more likely to detect the 

presence of Agama aculeata distanti, G. flavigularis, Leptotyphlops sp. and Afrotyphlops 

bibronii, while funnel traps were more likely to detect the presence of P. crucifer, 

Psammophylax r. rhombeatus, Pseudaspis cana, Lycophidion c. capense and Causus rhombeatus 

(Table 2.1). It is interesting to note the similarity in the trap-type detection probabilities for Bitis 

a. arietans and Hemachatus haemachatus (Table 2.1). Juvenile and adult individuals of the two 

species were detected in both funnel and pitfall traps. While juveniles were too small to escape 

from the pitfall traps, adult snakes of these two species appeared to use the pitfall traps as 

temporary retreats from which they could emerge at a time of their choosing (Fig. 2.4). It seems 

that the use of pitfall covers may have played an important role in the temporary use of the pitfall 

traps as retreat. 

Estimates ofthe random effects i.e. ~jimnel and ~pitfall (eqn 2.3) showed a high degree of overlap, 

The 95% credible interval for ~funnel ranged from 0.006-0.043, with a mean of 0.0 17, while the 

95% credible for ~pitfall ranged from 0.001-0.031, with a mean of 0.007. This result indicates that 

there is no average difference in efficacy of the two trap types for sampling the reptile 

assemblage in SNR. 
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Table 2.1: Total detections observed and estimated daily detection probabilities (shown to two significant figures or 

a maximum of three decimal places) for each reptile species in funnel and pitfall traps between August 2005 and 

April 2006. In the case of non-overlap in the 95% credible intervals for detection probability of the two trap types, 

the trap type that is more effective at detecting the species is indicated using a double asterisk (**). 

Detections Detection Probability 

Famil~ Funnel Pitfall Funnel Pitfall 

Lizards 
Agamidae Agama aculeata distanti 1 19 0.008 ± 0.007 0.12 ± 0.026 ** 

Agama a. atra 0 0.004 ± 0.004 0.007 ± 0.006 

Gerrhosauridae 

Gerrhosaurus flavigularis 39 67 0.24 ± 0.034 0.43 ± 0.040 ** 
Scincidae 

AJroablepharus wahlbergii 13 16 0.080 ± 0.022 0.10 ± 0.024 

Trachylepis capensis 46 54 0.29 ± 0.036 0.34 ± 0.038 

Trachylepis varia 19 23 0.12 ± 0.026 0.15 ± 0.028 

SERPENTES 
Leptotyphlopidae 

Leptotyphlops sp. 0 6 0.004 ± 0.004 0.037 ± 0.015 ** 
Typhlopidae 

AJrotyphlops bibronii 0 5 0.004 ± 0.004 0.031 ± 0.014 ** 
Lamprophiidae 

Aparallactus capensis 1 0.008 ± 0.007 0.007 ± 0.006 

Boaedon capensis 0 0.004 ± 0.004 0.007 ± 0.006 

Duberria l. lutrix 0 0.008 ± 0.007 0.002 ± 0.003 

Lamprophis aurora 0 0.008 ± 0.007 0.002 ± 0.003 

Lycophidion c. capense 5 0 0.031 ± 0.013 ** 0.002 ± 0.003 

Psammophis crucifer 18 0 0.11 ± 0.025 ** 0.002 ± 0.003 

Psammophylax r. rhombeatus 4 0 0.025 ± 0.012 ** 0.002 ± 0.003 

Pseudaspis can a 6 0 0.037 ± 0.Q15 ** 0.002 ± 0.003 

Colubridae 

Dasypeltis scabra 0 0.008 ± 0.007 0.002 ± 0.003 

Elapidae 

Hemachatus haemachatus 5 3 0.031 ± 0.013 0.019±0.011 

Viperidae 

Bitis a. arietans 5 5 0.031 ± 0.013 0.031 ± 0.014 

Causus rhombeatus 3 0 0.019 ± 0.011 ** 0.002 ± 0.003 
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Fig. 2.3: A scatter plot of standardised chi-squared residuals for the actual and 'perfect' (simulated) 

data. A fitting model should produce residuals that lie around the I : I line (shown). 

Fig. 2.4: (A) An adult Puff Adder (Bitis arietans arietans) in a pitfall trap at array 2B. This snake was 

observed entering the pitfall trap in a relaxed, unhurried manner. It did not fall into the trap and could 

easily have emerged from it. (B) A Rinkhals (Hemachatus haemachatus) discovered in a pitfall trap at 

array 3A. Shortly after this photo was taken the Rinkhals emerged from the trap and attempted to 

escape. 
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2.4. Discussion 

My analysis of species- and trap-specific detection probabilities showed that pitfall and funnel 

traps were not equally effective at sampling the reptile assemblage at Suikerbosrand Nature 

Reserve. Funnel traps captured a greater number of reptile species (16 species) than pitfall traps 

(12 species) during the survey. Five terrestrial snake species were significantly more likely to be 

captured or detected by funnel traps than by pitfall traps, while four species (two terrestrial lizard 

and two fossorial snake species) were significantly more likely to be captured in pitfall traps than 

in funnel traps. 

In spite of several clear examples of the sampling benefits of funnel traps (Gibbons & Semlitsch 

1981; Campbell & Christman 1982; Greenberg, Neary & Harris 1994a), there are numerous 

studies that make exclusive use of pitfall traps in surveys of species richness (e.g. Read 1995; 

Moseby & Read 2001; Thompson et al. 2003; Watling & Donnelly 2008). Some of these studies 

appear to be based on the premise that pitfall traps are capable of detecting all species in the 

target assemblage, with none of the above studies explicitly testing this assumption or explaining 

the reasons for potentially sampling a subset of the herpetofauna in their study sites. Other 

authors recognise the limitation of pitfall traps and acknowledge that they are likely to sample 

only small, terrestrial reptiles, whilst missing the larger-bodied species (e.g. Shanas et al. 2006). 

Hobbs et al. (1994) did compare the efficacy of different drift fence and trap configurations, but 

used only pitfall traps (380 mm in depth) in their trap array configurations. Arguably any snake 

that exceeds 380 mm in snout-vent length (SVL) falls outside the expected sampling universe of 

these pitfall traps and that the conclusions of efficacy are thus limited to species less than 380 

mm in length. During a study by Block et al. (1998), the only snake species detected by pitfall 

trapping was represented by a single individual of Diadophis punctatus, which has an adult 

length of 250 - 380 mm. Lizard species were far more frequently captured, as seen in the 174 

individuals of Sceloporus occidentalis, 117 individuals of Eumeces gilberti and 5 individuals of 

Elgaria multicarinatus captured over the same period (Block et al., 1998). The use of funnel 

traps in their study may have led to large changes in the relative capture frequencies of the 

observed species, as well as an increase in the number of snake species detected. Increasing the 

depth of a pitfall trap is one potential means of improving the sampling efficacy, but there are 
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physical limits constraining the size of bucket that one can use when sampling habitat with 

various substrates. By contrast, a 'small' funnel trap e.g. 60 cm in length with a small funnel 

entrance can trap a large snake (Fig. 2.4). The capture of the animal is not therefore simply 

dependent on the individual's behaviour e.g. refuge-seeking in a small pitfall trap (Fig. 2.4a), but 

is improved by the complexity of the trap type. There are also no limits regarding the size of 

funnel trap that may be used on any substrate or in any habitat, but larger snakes are likely to be 

able to break out of funnel traps made of lighter materials. From the results of this comparison, it 

appears that sampling recommendations such as those of Hobbs et al. (1994) or Thompson et al. 

(2007) could be improved by an explicit description of the strengths and limitations of the 

sampling methods used to gather the data in their analyses. 

The modelling of detection probability is an important, even critical, yet oft-overlooked 

component of studies of species richness (Kery & Royle 2008). Accounting for the probability of 

an observation allows a researcher to evaluate the certainty of any deductions or conclusions 

resulting from the observations. Methods that increase the probability of detecting a species are 

to be favoured as they will provide data from which more accurate inference can be drawn. 

Comparisons of competing methodologies lead to improvements in our understanding of our 

current methodological limitations e.g. Hutchens & DePerno (2009). The utility of trap arrays for 

surveys of cryptic taxa cannot be overstated, but their utilisation must be tempered by the 

consideration of the study context and relevant alternatives (Gibbons & Semlitsch 1981; Bowers 

et al. 2000; Hutchens & DePerno 2009; Driscoll et al. 2012). In habitat with a complex, three

dimensional structure, terrestrial trap arrays are not likely to be the most efficient or cost

effective sampling option available (Hutchens & DePerno 2009). To compensate for the cost of 

sampling by trap arrays i.e. fuel and manpower costs (Hutchens & DePerno 2009), it is important 

that researchers maximise the return for effort as far as is possible. Pitfall traps are relatively 

simple traps that require no manufacturing as they can be purchased as completed units e.g. 

buckets, yet become harder to bury in the ground depending on pitfall trap size and soil 

type/depth. Funnel traps usually require some form of manufacturing and deteriorate over time, 
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Fig. 2.4: An adult Puff Adder (Bitis arietans arietans) caught in a funnel trap at array 3C. Escape for 

this snake is neither as simple nor as likely when compared with snake of simi lar size caught in one of 

my pitfall traps (see Fig. 2.4). Also evident is the weathering i.e. rusting that funnel traps made of 

window mesh are prone to when used for several months during the rainy season. 

but installation is quick and simple and they are better than pitfall traps at detecting snake species 

(Campbell & Christman 1982; this study). Without an understanding of the comparative efficacy 

of the two trap types i.e. their functional detection probabilities, no cost-benefit analysis is 

possible and each researcher is left to their own devices/opinions to determine the details of their 

sampling methodology. 

In this study, I was primarily interested in the implications of my methodological choices for the 

completeness of the sampling I conducted. In testing the sampling efficacy of the two trap types 

used in this survey I have shown that pitfall and funnel traps are differentially effective at 

sampling the reptile assemblage at SNR. My data indicate that the combined use of funnel and 

pitfall traps in each trap array led to more frequent detections of a greater number of species than 

would have been deiected by either trap type alone. At the very least, this finding provides a 
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strong motivation for the combined use pitfall and funnel traps in future surveys in SNR. The 

broader implication of this result is that, unless the results of locally-conducted trapping indicate 

otherwise (e.g. Bowers et al. 2000), researchers should make use of both funnel traps and pitfall 

traps in any situation where the sampling of total species richness is the stated objective. This 

approach appears to compensate for the strengths and limitations of each single trap type. 

Relatively simple modifications to a study's sampling methodology, such as the combined use of 

pitfall and funnel traps, can lead to the detection of a greater number of species and, 

consequently, greater accuracy in subsequent analyses such as species richness estimation. This 

is not equivalent to saying that trap arrays are themselves the best method for surveying reptiles 

(see Hutchens & DePemo 2009; Driscoll et al. 2012), but rather that the performance of trap 

arrays relative to the study'S objectives needs to be optimised. 

My results also demonstrate that the perceived 'rarity' of a species may be significantly 

influenced by the chosen method of sampling. During this survey there were zero detections of 

P. crucifer in pitfall traps, despite the fact that P. crucifer was the most frequently detected snake 

species of the survey. Had I used pitfall traps only, I might have 'reasonably' - yet incorrectly

concluded that P. crucifer is a 'rare' species in SNR. This example highlights the importance of 

the assumption that all species have a non-zero detection probability during sampling. This 

assumption is very difficult to test using typical empirical data and has implications for inference 

e.g. species richness estimates (Link 2003; Mao & Colwell 2005). The presence of undetected 

species in the reptile assemblage I surveyed does not affect the comparison of trap-type efficacy 

as the data consist of pairwise comparisons for the species actually observed. Thus it is not the 

estimated values of detection probability for each species, but rather the relative detection 

probabilities of a species in the two trap types that are important. For example, it is, on average, 

58 times more likely that you will detect P. crucifer in a funnel trap than in a pitfall trap on any 

single day (Table 2.1). Even if the probability of detecting P. crucifer in pitfall traps was 

'acceptable' (where 'acceptable' would be determined by the constraints on sampling), the use of 

funnel traps to detect this species would be preferred, especially in shorter surveys, as they far 

more effective than pitfall traps for detecting this snake species. It seems reasonable to assume 

that many of the species that we consider as 'rare' are in fact species that our sampling methods 

fail to detect (Luiselli 2006), for any reason. Models that estimate site occupancy in conjunction 
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with the species' detection probability (e.g. Kery & Royle 2008) are appropriate means of 

quantifying our uncertainty in the classification of 'rare' species. 

In summary, the observation process or sampling methodology employed to gather data for 

inference about an ecological phenomenon e.g. species richness plays a pivotal, yet of ten

overlooked role in the conclusions that result from the data. The explicit consideration of the 

consequences of methodological choices is to be recommended for all studies that wish to draw 

conclusions about an ecological phenomenon from their data. The knowledge that the efficacy of 

my trap arrays was improved through the combined use of funnel traps and pitfall traps indicates 

that the negative bias in the number of species observed versus the number of species actually 

present in the reptile assemblage I sampled was reduced. The extent of the negative bias is 

estimated in Chapter 3. The choice of study-appropriate methods for single or multispecies 

surveys is a significant challenge in ecological research that can be dealt with in a formal manner 

through the testing of methodological hypotheses. 
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CHAPTER 3 

The Estimation of Species Richness 

The presence or absence of species at a site cannot be determined with complete certainty during 

sampling. Species which are in fact absent from the site can obviously never be detected during 

sampling, but non-detection of a species during sampling does not necessarily mean the species is 

absent from the site. Some species which are present at a site will not be detected and this creates 

ambiguity in the interpretation of detection data. To compensate, it is customary to perform 

comparisons of sites using an estimate of species richness at each of them. There are many 

specific ways in which species richness can be estimated but the general theory is the same. 

Information about the undetected species is obtained from the data about the species observed. 

Such information may be contained in data summaries or even require that replicate samples at 

each site are conducted. This information is then used to adjust the number of species observed to 

the number estimated to occur. Using detection data collected at 12 sites during a trap survey of 

Suikerbosrand Nature Reserve (SNR), I compared site and total species richness estimates of one 

non-parametric species richness estimator (Cha02) and one parametric species richness estimator 

(a hierarchical, site-occupancy model). I also contrasted the utility of the two estimators for 

inference about reptile distribution in SNR. The number of reptile species detected, and the 

number of detections of each reptile species varied greatly between sites. As a result, Cha02 

estimates of site species richness demonstrated large variation and produced counter-intuitive 

results i.e. situations where site richness exceeded the estimate of total species richness. By 

contrast the site-occupancy model estimate indicated that there was no difference in the species 

richness between sites, and indicated that total richness was greater than the richness of any 

single site. When inferring the distribution of reptile species within SNR, Chao2 is not as useful 

as the site-occupancy model. In the latter, estimates of site occupancy are specific to each species 

and provide testable hypotheses for further sampling. This comparison of the two estimators 

indicates that the hierarchical, site-occupancy model is more useful for decision making in that it 

better quantifies uncertainty, produces estimates that are intuitively coherent and retains species

specific information such that it can generate working hypotheses. 
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3.1. Introduction 

The number of species present at a site or sample area is not usually known prior to sampling. 

After sampling, a proportion of the species present will have been detected (Sobs), but an 

unknown proportion of the assemblage will have remained undetected. If this fact is not 

acknowledged by the researcher, then comparisons of Sobs are (inappropriately) used to answer 

ecological questions about diversity, the suitability of habitat types, or rates of turnover, 

colonisation and others (Royle & Dorazio 2008). Such comparisons are problematic because 

they ignore the effect of detection probability (P) on the outcome of sampling (MacKenzie et al. 

2002). When p < 1, analyses that ignore the effect of p produce parameter estimates that are 

biased low (towards zero) or, in some scenarios, may even estimate the opposite relationship 

between the parameter and response variable from what is true (Kery & Schmid 2004). If the 

effects of imperfect detection probability are acknowledged, a researcher has to decide how to 

compensate for them. One option is to use the data or summaries of the data to directly estimate 

the number of species that were not detected. Species accumulation curves and non-parametric 

estimators (Colwell & Coddington 1994; Gotelli & Colwell 2001) make use of this approach and 

assume p < 1 but do not attempt to estimate it (Kery & Schmid 2004). Another option is to 

explicitly estimate p and then to derive an estimate of the number of species that were not 

detected using a multispecies site occupancy model (e.g. Kery & Royle 2008). The latter 

approach utilises parametric, hierarchical models that separate the sampling process from the 

parameter of ecological interest i.e. site occupancy ('I'; Royle & Kery 2007). For many datasets, 

both of these methods can be applied, so how does one decide which method to use? 

The use of either estimation approach is an improvement upon using the negatively-biased Sobs 

for analysis and inference (Walther & Moore 2005). The ideal estimator produces estimates that 

are unbiased, precise and insensitive to the amount of sampling conducted (Gotelli & Colwell 

2011). In most cases true species richness is unknown, which makes it impossible to assess the 

bias of an estimator. Consequently, evaluations of estimator performance are based upon the 

simulation of datasets for which true species richness is known (Brose, Martinez & Williams 

2003; Walther & Moore 2005; Hortal, Borges & Gaspar 2006). While the non-parametric 

estimators have fared well in such evaluations, they are sensitive to variables that affect the 
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structure of the data e.g. non-random aggregation of species across samples (Walther & Moore 

2005). The benefit ofthe non-parametric estimators is that they are typically simple to calculate 

and make clear assumptions about the assemblage in which sampling is undertaken e.g. constant 

p across all sample occasions and population closure. The difficulty for inference is that it is 

typically not possible to evaluate the validity of these assumptions on a case by case basis, and 

violation of these assumptions has severe implications for estimator performance (Walther & 

Moore 2005). 

Hierarchical, parametric models are more flexible in their structure. Depending on the research 

aims, hierarchical models may be simple or complex, but increasing model complexity is usually 

just a function of extending a simpler model to include the additional research considerations 

(see Royle & Dorazio 2008; Kery 2010). The greatest advantage of the hierarchical model 

approach is that there is a clear separation ofthe ecological parameters i.e. factors affecting "', 

and the 'nuisance' parameters i.e. factors affectingp (Royle & Kery 2007; Kery & Royle 2008; 

Bled, Royle & Cam 2011). Consequently, the hierarchical model is the researcher's 

representation of the data generation process, which fosters an understanding of the ecological 

processes from which outcomes, such as site occupancy, result (e.g. Royle, Nichols, & Kery 

2005; Bled et al. 2011). The major difference between the non-parametric estimators and the 

hierarchical modelling approach is that the latter does not estimate species richness directly 

(Dorazio & Royle 2005a). The hierarchical model estimates the site occupancy of each species in 

light of its detection probability. Species richness is derived by summing the number of species 

that are estimated to occur at each site or in total (Kery & Royle 2008). One drawback of the 

parametric approach is that model predictions of site occupancy (and therefore estimates of 

species richness) are sensitive to assumptions about the underlying distribution of detection 

probabilities within the assemblage (Dorazio & Royle 2003). When these estimates differ vastly, 

it becomes difficult to select the best distribution to use (Link 2003). Prior knowledge about 

sources of variation in detection probability offers the only means to resolve such an impasse 

(Dorazio & Royle 2003). 

Previous studies using trapping in SNR have demonstrated that reptiles are a difficult group to 

study en masse (Maritz et al. 2007; Masterson, Maritz & Alexander 2008; Masterson et al. 

2009). Reptiles are cryptic, utilise life history strategies that limit their exposure to sampling e.g. 
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fossorial species, or may occur at low densities such that the detection probability of a species at 

a site is equivalent to the detection probability of an individual e.g. snake species. Previous 

analyses by myself and my colleagues made use of the observed counts of species to compare the 

reptile assemblages between various sample sites (Masterson, Maritz & Alexander 2008; 

Masterson et al. 2009). Additionally, we did not explicitly account for detection probability 

when modelling relationships between species richness and environmental factors e.g. grass 

cover (Masterson, Maritz & Alexander 2008). The correlations between grass cover and Sobs 

observed by Masterson et al. (2008) may alternatively be explained by the effect of grass cover 

on reptile activity at each site, which resulted in higher detection probabilities and higher 

apparent species richness at these sites. Masterson et al. (2009) used the non-parametric 

estimators Chaol (Chao 1984) and Cha02 (Chao 1987) to estimate sample completeness and to 

compare species richness of three habitat types thereby avoiding some of the pitfalls of using Sobs 

for inference, but again we did not explicitly model the detection probability of each species. 

In this chapter, I compare the non-parametric estimation procedure Cha02 (Chao 1987) and the 

hierarchical modelling approach of Kery & Royle (2008). The aim of this comparison is to 

consider the merits of each estimation method within the context of passive trapping of reptiles 

when such a study aims to understand the richness and distribution of reptile species across a 

landscape. The merits of inference using the two estimation methods is relevant in a conservation 

management framework. To manage reptile species within a reserve one must first learn where 

they occur and why. The specific challenge when mapping species occurrence for management 

or conservation purposes is to find ways to quantify uncertainty in the results upon which 

inference is based. Conservation or management decisions taken in a transparent, well-reasoned 

manner with full awareness of the uncertainty involved are easier to defend if disputed, can be 

adjusted as uncertainty increases or decreases (Regan et al. 2005) and should therefore be 

preferred. 
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3.2. Methods 

3.2.1. Reptile Data 

Data used in this chapter were collected during trapping conducted between 29 August 2005 and 

19 January 2006. Trap arrays were placed at 12 locations in low II short II tall, closed grassland 

(sensu Edwards 1983) in the southern portion of SNR. Nine of the 12 trap arrays were checked 

104 times during the survey period. Three of the trap arrays i.e. sites 4A - 4C were installed and 

opened on 1 October 2005, to replace three sites that were burnt by a grass fire on 26 September 

2005. Trap arrays 4A - 4C were checked 77 times during the survey. For additional information 

on the structure and layout of the trap arrays, refer to section 2.2 above. A total of256 detections 

of 20 reptile species were recorded across the 12 trap arrays during the survey period. The 

estimator-specific preparation and analysis of these data are described for each of the two 

methods below. 

3.2.2. The Models 

3.2.2.1. Non-parametric estimation of species richness: Chao2 

The first method of estimation has been widely used since it was proposed by Chao (1987). The 

estimator, now commonly referred to as Cha02 (Colwell & Coddington 1994), was developed as 

a non-parametric estimator of species richness for replicated incidence data (Chao 1987; Gotelli 

& Colwell 2011). Cha02 has generally fared well in comparisons of non-parametric estimators 

over the past few decades (Colwell & Coddington 1994; Walther & Morand 1998; Walther & 

Moore 2005; Hortal, Borges & Gaspar 2006; Gotelli & Colwell 2011), although some reviews 

differ in their conclusions (Chiarucci et al. 2003). The Cha02 estimator offers a simple method 

of estimating species richness from typical survey data. Species detections recorded during the 

sampling process are collated as summed frequencies. For Cha02 (Chao 1987), the estimate of 

species richness involves only the number of species observed during sampling (Sobs), which is 

then increased by the ratio ofuniques (q/, species that are detected just once during sampling) to 

duplicates (q2, species that are detected just twice during sampling). The classic Cha02 estimate 

of species richness (SChao2) is calculated as: 
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, 2 
SChao2 = Sobs + (q / /2q2) eqn 3.1 

Equation 3.1 is undefined when q2 = 0, and so a bias-corrected, always attainable version of eqn 

3.1 has been developed (Gotelli & Colwell 2011): 

, 2 
SChao2 = Sobs + (m - 1 / m) (q/ /2q2) eqn 3.2 

or 

SChao2 = Sobs + (m - 1 / m) (q] (q/- 1)/2(q2 + 1» for q2 = 0 eqn 3.3 

where m is the total number of sampling occasions during the survey period. Equation 3.2 is 

simply eqn 3.1 but scaled with a measure of effort i.e. m sample, when the number duplicates is 

non-zero i.e. q2> o. When q2 = 0, then eqn 3.3 is used. The only difference between eqn 3.3 and 

eqn 3.2 is that because q2 = 0, we use one of the unique species (q/) to make the denominator 

non-zero. 

As a non-parametric method of estimation, the user is not forced to specify a probability 

distribution for the species detections during sampling but is forced to assume that the 

information about undetected species is concentrated in the two lowest detection frequencies i.e. 

the unique and duplicate classes (Chao 1987; Chao, Shen & Hwang 2006). Chao et al. (2006) 

have demonstrated the validity of Cha02 as an estimator of total species richness under certain 

conditions. However, when the above assumption is violated, the Cha02 estimator will 

asymptotically underestimate the true species richness (see Mao et al. 2005) and is thus typically 

referred to as a minimum species richness estimator (Chao et al. 2009). Cha02 assumes that 

detection probabilities are constant across sampling occasions i.e. population closure (Chao 

1987) and sampling with replacement (Gotelli & Colwell 2011), but does allow for 

heterogeneous detection probabilities between species (Chao 1987). Lastly, the Cha02 estimator 

provides a logical stopping rule for the sampling process (Chao et al. 2009). From eqn 3.1 we 

can see that when q / = 0, the Cha02 estimator predicts that all species were detected during 

sampling i.e. SChao2 = Sobs + O. Ideally then sampling can be concluded when all species have 

been detected at least twice (Chao et al. 2009). This outcome is unlikely in practice because the 

additional time taken to detect all species a second time leads to the detection of additional 

species or reduces the likelihood of population closure. 
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3.2.2.2. Applying the Chao2 estimator 

All calculations for the Cha02 estimator were performed using R version 2.15.1 (R Core Team 

2012). Using descriptions of the Cha02 estimator (Chao 1984, 1987; Colwell & Coddington 

1994; Chao, Shen & Hwang 2006; Gotelli & Colwell 2011; Colwell et al. 2012), I wrote a script 

to perform the calculation of SChao2, its variance and 95% asymmetric confidence intervals for 

my dataset (Appendix 1). All calculations were performed using the sample size correction factor 

i.e. (m - 1) / m. Bias-reduction calculations for SChao2, the variance and 95% confidence intervals 

were used as specified by Chao, Shen, & Hwang (2006). A detailed description of the equation 

selection process for calculating the Cha02 estimator is available on the EstimateS website 

(http://viceroy.eeb.uconn.edu/estimates/). All Cha02 estimates of species richness as well as the 

confidence intervals are rounded off to the nearest species. Means and variances for SChao2 are 

shown to two decimal places while sample completeness is shown to one decimal place. 

I calculated SChao2, its variance as well as 95% confidence intervals for each of the 12 sites 

sampled between 29 August 2005 and 19 January 2006. Additionally I calculated SChao2 for the 

reptile assemblage in the greater study area i.e. the southern grasslands of SNR. Data from all 

sites were pooled to calculate the summed incidence frequencies of all species across all sites. 

Note that the summed incidence frequencies in the pooled dataset are different from those 

generated using site level data. Lastly, I used Sobs and the mean of SChao2 to calculate the sample 

completeness at each site and in total. Sample completeness is the percentage of the estimated 

total number of species that were actually observed during sampling and provides a measure of 

the success of the sampling effort (see Masterson et al. 2009). 

3.2.2.3. Parametric estimation of species richness: Hierarchical Model 

The second method of estimation was recently proposed by Dorazio & Royle (2005), and 

subsequently demonstrated by Kery & Royle (2008). There are several important differences 

between the model of Chao (1985) and that ofKery & Royle (2008). The first is that the model 

of Kery & Royle (2008) is parametric in its form. In order to estimate the species richness of a 

site, we specify the probability distribution of the parameters of interest e.g. site occupancy a 

priori. Various specifications of the parameter probability distributions are typically possible, 

and it is often difficult to select the true model from the set of alternative forms of the same 
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model (Dorazio & Royle 2003). The second difference is that the model is hierarchical in 

structure. A hierarchical model contains multiple linear/non-linear models that collectively 

describe the system for which inference is desired. In typical ecological applications, one model 

describes the ecological process of interest (the 'process model') and another describes our 

observation of the ecological process (the 'observation model' e.g. Mackenzie et al. 2002; 

Dorazio & Royle 2003; Kery & Schmid 2004; Royle, Nichols, & Kery 2005; Dorazio et al. 

2006; Kery & Royle 2008; Kery, Royle, & Schmid 2010; Yam aura et al. 2011). A parameter that 

influences both the occurrence of the species as well as our ability to observe it during sampling, 

e.g. vegetation type, can be incorporated into both the process and observation model. A 

parameter that influences only our ability to observe the species if it is present e.g. weather 

conditions, can be included in the observation model but excluded from the process model. The 

separation of the 'nuisance' parameters from those relevant to the ecological question of interest 

is incredibly useful in the modelling of ecological systems (Royle & Dorazio 2008). An 

additional strength of hierarchical models lies in the stepwise, 'organic' nature in which they are 

constructed (Royle & Dorazio 2008), which facilitates the testing of hypotheses and the 

development of predictive models for ecological applications (see Bled et al. 2011; Gormley et 

al. 2011). 

The core of the hierarchical model used to estimate species richness in this chapter is the species

by-site incidence matrix (Dorazio et al. 2006; Kery & Royle 2008). This matrix is only partially 

observed during sampling due to the presence of false negatives that result during sampling, i.e. 

failures to detect a species when it is actually present at a site or in the study area. The primary 

objective of the hierarchical model is to estimate the true species-by-site incidence matrix. 

Following Kery & Royle (2008), assume that the presence of species i at site j (zij) follows a 

Bernoulli distribution with success probability \j!i i.e. zij ~ Bernoulli (\j!i). The number of times 

that species i is detected at site j (Yij) during m samples follows a binomial distribution with 

success probability P i.e. Yij ~ binomial ("Hj, Pi). Conversely, it follows that species i is absent 

from site j with a probability of I - \j!i and that if it is absent, then Yij = 0 (Dorazio & Royle 

2005a). The probability that a species is present at a site but not detected during N samples is (as 

per Royle & Dorazio 2008): 

Pr (zij= 11 Yu = 0) = \j!i (1-Pit / \j!i (1-pDm + (1- \j!i) eqn 3.4 
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The challenge is that both \/f and p are latent variables that must be estimated from the observed 

detection data. To estimate them, a sampling design must include replicate surveys at every 

sample site (Dorazio & Royle 2005); a design which is referred to as the robust design (Williams 

et al. 2000). While this requirement of the model represents a 'cost' in terms of time and effort, 

such replication is typical of most surveys or monitoring programs (see Kery & Schmid 2004). 

Estimates of \/fi and Pi can be obtained for species that are detected during sampling however 

there are an unknown number of species that are not detected during any of the sampling 

occasions. The challenge of estimating the number of additional species that are present at each 

site or in the study area can be addressed using a random effects model to describe both the 

occurrence and detection probabilities, and a technique referred to as data augmentation (Royle 

et al.2007). 

To estimate species richness, hyperparameters (random effects) for the mean and standard 

deviation of the occurrence and detection probabilities for all species detected are included as an 

additional hierarchical component in the site occupancy model. The function of these 

hyperparameters is to facilitate extrapolation from our data to a larger set of species, which is of 

unknown size and of which the Sobs are but a part (Kery & Royle 2008). To make this 

extrapolation possible, the data are augmented by including a large, but finite, number of species 

with all-zero detection histories (So), such that M = Sobs + So. In ecological terms, these additional 

species, hereafter referred to as 'hypospecies', are species which may have been present at the 

sites sampled but which were not detected during sampling (Royle, Dorazio & Link 2007). The 

inclusion of each hypospecies in the assemblage is determined using a latent, zero-inflation 

parameter (Kery & Royle 2008). The inclusion parameter (.0) has a uniform prior (Kery & Royle 

2008) and is used to generate the indicator variable CDi for each of the M species, where CDi

Bernoulli (.0). During the model run, the occurrence probability of each hypospecies (\/f'i) is 

drawn from the posterior distribution of the random effect for occurrence probability of the entire 

reptile assemblage. The binary estimate of whether the hypospecies is present or absent at a site 

is the result of a Bernoulli trial with a success probability of \/f'i conditional on CDi i.e. Zij = 

Bernoulli (CDi * \/f'i). Hypospecies for which CDi = 0 cannot occur at any of the sites sampled, while 

those for which CDi = 1 will occur at sites in proportion to the model estimate Of\/f'i. The model

based estimates of species richness are then calculated by summing CDi for the M species 

(SHMtotal), and summing zij at each site (SHMsite). This method of reducing the problem of 
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estimating the total number of species present to that of estimating the distribution of the latent 

indicator variable CD has been justified by Dorazio et al. (2006) and Royle et al. (2007), and 

results in a model that is readily implemented using Gibbs samplers such as WinBUGS (Lunn et 

al.2000). 

3.2.2.4. Fitting the Model 

I used the multispecies, multisite occupancy model of Kery & Royle (2008) to estimate the 

detection probability and occurrence probability for each species and the reptile assemblage as a 

whole. In the first model, I assumed that species identity was the only determinant of detection or 

occurrence probability i.e. the null model. In the second model, I tested for an effect of site on 

occurrence probability. As no effect of site on occurrence probability was evident for this 

dataset, I present only the results for the null model below. Model predictions of site occupancy 

for each species and hypospecies were used to derive estimates of species richness for each of 

the 12 sites and in total. Lastly, as for the Cha02 estimator above, I used these richness estimates 

to calculate the estimated sample completeness according to the hierarchical model. 

The hierarchical models used in this analysis were fitted using Markov chain Monte Carlo 

(MCMC) methods in WinBUGS (Lunn et al. 2000). Models were coded for WinBUGS using R 

version 2.1.5.1 (R Core Team 2012) and executed from within R using R2WinBUGS (Sturtz et 

al. 2005). Posterior distributions for each parameter were calculated using three parallel Markov 

chains of 50k iterations each. Each chain was initialised with different starting values, from 

which I discarded 10k iterations and thinned by 10, leaving 12k iterations for inference. Chains 

of this length showed sufficient convergence with Gelman-Rubin statistic values of < 1.003 

(Gelman & Rubin 1992). 

Bayesian credible intervals can be constructed in several ways. A 95% credible interval can be 

constructed to include any interval that contains 95% of the mass ofthe posterior distribution, 

with the narrowest of these intervals referred to as the highest posterior density interval (HPDI; 

Kery 2010). Neither WinBUGS nor R2WinBUGS calculates the HPDI for each model parameter 

(Kery 2010), so I used the coda package (Plummer et al. 2006) to calculate the HPDI's for 

several parameters and compared them with the central 95% credible intervals calculated by 

WINBUGS. Differences between the HPDI's and WinBUGS 95% credible intervals were 
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typically slight with no effect on inference about the parameters and so the latter are presented in 

the tables below. The only HPDI that I report here is for the estimate of total species richness. 

Due to the right-tailed distribution of the posterior distribution the HPDI offers a slightly 

improved interval for inference as compared to the central interval. 

Implementing an analysis in the Bayesian framework requires the specification of prior 

information regarding the parameters to be estimated. The choice of prior distribution for a 

parameter is sometimes viewed as problematic for being subjective, and because the same data 

can be generated by very different underlying distributions (Link 2003). In addition to this, a 

recent study demonstrates some of the problems with estimating occupancy when the data are 

sparse, and the fact that estimating equations can have multiple solutions (Welsh, Lindenmayer 

& Donnelly 2013; but note that this study was conducted using maximum likelihood methods 

and not the Bayesian framework). The work of Welsh, Lindenmayer & Donnelly (2013) 

indicates that under certain conditions the use of detection-explicit approaches to estimation of 

occupancy can be as biased as those approaches which ignore detection entirely. The 

development of this discussion will be important for the future of hierarchical models of 

occupancy. Some prior information about the detection probability of reptile species during 

trapping surveys in SNR is available from the work by Masterson et al. (2008) and Masterson et 

al. (2009), however I specified flat, conventional priors for all model parameters (Appendix 2). 

Using this approach, the difference between the two methods is only related to their use and 

interpretation of the data. The inclusion of prior information for use in the hierarchical model 

would risk complicating comparisons between them. It must still be noted that the use of prior 

information in the Bayesian framework is one of the rarely utilised strengths thereof (Kery 

2010). 

3.3. Results 

3.3.1. Non-parametric species richness estimation 

The species richness estimates given by Cha02 for each of the 12 sites and for the total dataset 

are shown in Table 3.1. Total reptile richness for the 12 sites surveyed was estimated at 26.066 

species, with a 95% confidence interval of 21. 735 - 41.210 species (Table 3.1). There is no 
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Table 3.1: A comparison of the number of species observed (Sohs) with the mean Chao2 (SChao2) estimates of species 

richness and their 95% confidence intervals (Cl) at each site and for the full survey dataset. Chao2 estimates are 

calculated by adjusting Sobs using the ratio ofuniques (qj) to duplicates (q2) in combination with the number of 

sampling occasions (m). See Methods section for the specific calculations. 

" Site m Sobs ql q2 SChao2 Variance 95% Sample 

SChao2 Conf. Int. Completeness (%) 

1A 104 7 4 1 15 17.194 10 - 28 46.9 

1B 104 5 3 0 8 14.677 5 -26 62.7 

1C 104 10 8 0 38 432.899 17-113 26.5 

4A 77 4 1 4 0.061 4-5 89.0 
4B 77 7 4 1 15 17.087 10-28 47.0 

4C 77 5 3 0 8 14.565 5 -26 62.8 
2A 104 5 2 0 6 1.443 5 - 11 83.5 

2B 104 5 2 0 6 1.443 5 -11 83.5 

2C 104 5 2 I 7 1.660 6 -11 71.6 

3A 104 3 0 1 3 0.000 100 

3B 104 7 5 0 17 93.741 9- 56 41.4 

3C 104 8 5 20 35.910 13 - 38 39.3 

All Sites 104 20 7 4 26 18.532 22 - 41 76.7 

expected hierarchy in the estimates for species richness at each site and in total due to the fact 

that the summed incidence frequencies, upon which the estimates are based, change at each scale 

of consideration (Table 3.1). Site-specific estimates of mean richness vary considerably from 3 

species at site 3A to 37.731 species at site lC (Table 3.1). The variance of the site-specific 

estimates ranged from 0 at site 3A to 432.899 at site 1 C (Table 3.1). By comparing site 3A and 

site 1 C, we can see that the site surveys produced datasets with starkly contrasting 

characteristics. At site 3A, each of the three species were detected on two or more occasions, 

while at site 1C, eight of the 10 species were detected onjust one occasion (Table 3.1). 

Consequently, Cha02 predicts that 100% of species present at 3A but just 26.5% of the species 

occurring at 1 C were detected during sampling. 

Richness estimates for sites 2A, 2B and 2C were remarkably similar. At each site, a total of five 

species were detected during sampling with two of these species detected just once (Table 3.1). 

At site 2C a single species was detected twice during sampling, whereas at site 2A and 2B, the 

remaining species were detected on more than two occasions. The net result of these similarities 
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is that the Cha02 means, variances and confidence intervals are virtually identical for these three 

sites (Table 3.1). However if we compare site 2A with site IB, the effect of uniques on the 

Cha02 estimate becomes clear. The additional unique recorded at site 1B led to a tenfold increase 

in the variance of the estimate with a consequent increase in the confidence interval and a 20% 

reduction in estimated sample completeness (Table 3.1). The sensitivity of the site-level 

estimates to minor differences in the outcome of sampling indicates that the Cha02 estimates are 

functioning as minimum richness estimates. 

3.3.2. Parametric species richness estimation 

Species-level estimates of detection probability (P) were very low for the majority of the species 

detected during sampling. Four species, all lizards, had an estimated mean p > 0.0 I i.e. 

Gerrhosaurus flavigularis, Trachylepis capensis, Agama aculeata distanti and Trachylepis varia 

(Table 3.2). The remaining 16 species, two lizard species and 14 snake species, were detected 

infrequently resulting in model estimates of mean p < 0.01 (Table 3.2). There are two important 

consequences of low detection probability. The first consequence is that the sampling effort 

required to detect a species increases as its detection probability decreases. Increased sample 

effort comes with increased costs in terms of both time and resources. The second important 

consequence of low detection probability is that it leads to a posterior distribution for occurrence 

probability that is similar to the prior distribution. For example, Boaedon capensis has an 

estimated mean detection probability of 0.00 I and a 95% credible interval for occurrence 

probability of 0.044 - I (mean = 0.877; Table 3.2). The uncertainty evident in the 95% credible 

interval indicates that the data gathered during sampling has barely modified our prior 

expectation for B. capensis. 

Estimates of the mean occurrence probability for 19 of the 20 species detected during sampling 

were very high i.e. >0.80 (Table 3.2). The exception to this trend was A. a. distanti, which had an 

estimated mean occurrence probability of 0.248 (Table 3.2). Species with low detection 

probability had highly imprecise estimates of occurrence probability e.g. B. capensis. Species 

with higher detection probabilities had more precise estimates of occurrence probability e.g. A. a. 

distanti, G. flavigularis, T capensis, T varia, AJrotyphlops bibronii, Psammophis crucifer, and 

Bitis arietans arieta~s (Table 3.2). Six of these seven species i.e. G.flavigularis, T capensis, T 
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varia, A. bibronii, P. crucifer and B. a. arietans are widespread - occurring at most sites - with 

95% credible intervals that range from a minimum 0.416 (B. a. arietans) to 1. By contrast, A. a. 

distanti is patchy in occurrence, with a 95% credible interval that ranges from 0.068 to 0.542 

(Table 3.2). Given that the posterior distributions of A. a distanti and T. capensis do not overlap 

(Fig. 3.2), the prediction of the hierarchical model is that A. a. distanti occupies significantly 

fewer sites than T. capensis in the southern grasslands of Suikerbosrand Nature Reserve. 

Posterior distributions of the hyperparameters of occurrence and detection probability for the 

reptile assemblage - detected and undetected - are shown in Fig. 3.2.The posterior estimate for 

the mean of occurrence probability is 0.599 (95% credible interval: 0.097 - 0.951). When plotted 

as a density function, the posterior distribution for occurrence probability is bimodal, with peaks 

at high and low probabilities (Fig. 3.2A). The posterior estimate for the mean of detection 

probability is 0.001 (95% credible interval: 0.0001 - 0.005). As a density function, the posterior 

distribution of detection probability is heavily weighted towards 0 (Fig. 3.2B). In combination, 

these two results suggest that detection failures at sample sites are caused by both low 

occurrence probability and low detection probability of the species concerned. Consequently, the 

number of species detected at each site is predicted to be significantly lower than the number 

estimated to occur there (Table 3.3). 
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Table 3.2: Estimated mean detection and occurrence probabilities, with 95% credible intervals (as per the WinBUGS 

output) for the 20 species detected between 29 August 2005 and 19 January 2006. Estimates are shown up to three 

decimal places. 

Family Species Detection Probabilitr Occurrence Probabilitr 

2.5% CI Mean 97.5% CI 2.5% CI Mean 97.5% CI 

Lizards 

Agamidae 

Agama atra 0.000 0.001 0.010 0.045 0.882 1.000 
Agama aculeata distanti 0.039 0.063 0.094 0.068 0.248 0.542 

Gerrhosauridae 

Gerrhosaurus flavigularis 0.065 0.080 0.098 0.698 0.934 0.995 

Scincidae 

AJroablepharus wahlbergii 0.000 0.002 0.009 0.162 0.941 1.000 
Trachylepis capensis 0.064 0.079 0.095 0.843 0.994 1.000 
Trachylepis varia 0.007 0.014 0.024 0.543 0.965 1.000 

Snakes 

Leptotyphlopidae 

Leptotyphlops sp. 0.003 0.008 0.025 0.196 0.842 1.000 

Typhlopidae 

AJrotyphlops bibronii 0.001 0.004 0.010 0.501 0.978 1.000 

Lamprophiidae 

Aparallactus capensis 0.000 0.001 0.013 0.037 0.868 1.000 
Boaedon capensis 0.000 0.001 0.010 0.044 0.877 1.000 

Duberria I. lutrix 0.000 0.001 0.010 0.044 0.878 1.000 

Lamprophis aurora 0.000 0.001 0.013 0.041 0.873 1.000 
Lycophidion c. capense 0.000 0.002 0.008 0.163 0.942 1.000 

Psammophis crucifer 0.001 0.004 0.010 0.500 0.978 1.000 
Psammophylax r. rhombeatus 0.000 0.001 0.011 0.047 0.882 1.000 
Pseudaspis cana 0.001 0.003 0.009 0.269 0.959 1.000 

Colubridae 

Dasypeltis scabra 0.000 0.002 0.009 0.168 0.940 1.000 

Elapidae 

Hemachatus haemachatus 0.000 0.002 0.009 0.165 0.940 1.000 

Viperidae 

Bitis a. arietans 0.001 0.003 0.009 0.416 0.972 1.000 

Causus rhombeatus 0.000 0.002 0.009 0.159 0.939 1.000 
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Fig. 3.1: Posterior distributions of occurrence probability for Agama aculeata distanti (blue) and 

Trachylepis capensis (red) in the southern grasslands of Suikerbosrand Nature Reserve. The 95% 

credible intervals for occurrence probability of the two species are shown in Table 5.2. 

1.0 

The estimated species richness at each of the 12 sites is much higher than the number of species 

detected during sampling. Mean species richness estimates for each site ranged from 28 - 30 

species, while the number of species detected during sampling ranged from 3 - 10 species (Table 

5.3). Estimates of sample completeness at the site level ranged from 12.8 - 39.8% (Table 3.3; 

mean = 24.3%) suggesting that the majority of species were not detected at each site. Species 

richness estimates of the hierarchical model show less variation between sites than those of the 

Cha02 estimator (Table 3.2), which is expected because the hierarchical model does not deal 

with each site's information in isolation. Posterior-predictive distributions of species richness for 

two sites - site 1B and site 3C - are shown in Fig. 3.3. Five species were detected at site 1B 

during sampling, while eight species were detected at site 3C (Table 3.3), yet the posterior 

predictions of richness are very similar to each other (Fig. 3.3). The low detection probability of 

reptile species during sampling meant that site effects on occurrence probability could not be 

confirmed. Consequently, estimates of species richness at each site depend on the posterior of the 

hyperparameter of o~currence probability and are therefore similar across the sample sites. 
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Fig. 3.2: Posterior distributions for the hyperparameters of (A) occurrence and (B) detection 

probability for the reptile assemblage in the southern grasslands of Suikerbosrand Nature Reserve. 

I 

1.0 

The posterior-predictive distribution of total species richness is shown in Fig. 3.4. A total of 20 

species were detected during sampling (Fig. 3.4), yet the hierarchical model predicts a mean 

richness of 48 species for the reptile assemblage (Table 3.3). The frequency of richness estimates 

peaks between 37 and 43 species (Fig. 3.4), but the credible interval of the posterior-predictive 

distribution is wide due to the uncertainty in the hyperparameter of occurrence probability. Using 

the estimated mean of 48 species to calculate sample completeness, the hierarchical model 

predicts that the sampling exercise detected 41.7% of the assemblage (Table 3.3). Given the 

skewed nature of the posterior distribution of total species richness (Fig. 3.4), the mean is right

shifted from the mode and median, making the estimate of sample completeness slightly more 

conservative. The central 95% credible interval of 28 to 82 species, as produced by WinBUGS 

and shown in Table 3.3, differed from the HPDI of25 to 75 species (see Fig. 3.4). While the 

HPDI is narrower than the central credible interval by just four species, it represents a large 

reduction in the upper limit of the interval, a shift of the lower limit towards Sobs, and an increase 

in the precision of the estimate. 
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Table 3.3: Comparison of the number of species observed (Sobs) and estimated species richness according to the 

hierarchical model (SHM) for each sample site and for all sites sampled between 29 August 2005 and 19 January 

2006. Mean sample completeness is calculated as (Sohs / SHM) * I 00. The Win8 UGS output for the 95% credible 

intervals is shown. 
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lA 7 24.9 25.32 17 - 36 28.1 
IB 5 23.6 25.95 15 - 35 21.2 

lC 10 25.1 23.76 17 - 36 39.8 
4A 4 23.7 26.17 15 - 35 16.9 
4B 7 24.7 24.88 17 - 36 28.3 

4C 5 24.4 25.38 16 - 36 20.5 
2A 5 23.8 25.88 15 - 35 21.0 
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Fig. 3.3: Frequency plots of the posterior-predictive distributions of species richness for (A) site IC 

and (8) site 3A. Mean and median estimates of species richness for these two sample sites are similar 

despite differences in the number of species detected during sampling (dashed line). 
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Fig. 3.4: Posterior-predictive distribution oftotal species richness for the southern grasslands of 

Suikerbosrand Nature Reserve. The number of species detected during sampling is indicated (dashed 

line) as are the lower and upper values of the highest posterior density interval (HPDI; see Methods) 

for the estimate of species richness (dotted lines). 

3.4. Discussion 

Species richness estimates reflect the consequences of our assumptions about the system we are 

studying. Estimates of richness depend on the success of sampling activities and the estimation 

method employed. As is evident in the Cha02 and hierarchical model estimates, different 

assumptions about the system lead to different estimates of richness (Link 2003). When using the 

Cha02 estimator, we assume that the information regarding unseen species is concentrated in the 

two lowest frequency classes of the species actually seen (Chao 1984, 1987,2005). Species 

identity is not retained in the incidence frequency summary of the data. As a result, the Cha02 

estimator produces a simple, direct estimate of species richness but provides no information 

regarding the distribution of individual species. When using the hierarchical model, we make an 

assumption about the form of heterogeneity in detection probability within the reptile assemblage 

(Dorazio & Royle 2003), and estimate site occupancy of each species to estimate species 

richness. Information about individual species is retained throughout the steps of the analysis. 
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F or this reason, the hierarchical model provides a detailed picture of the characteristics of the 

reptile assemblage, of which the richness estimates form a single part. 

3.4.1. Inference under the Chao2 estimator 

Cha02 estimates are remarkably simple to calculate from a data summary, but the estimator 

provides minimal assistance to a person interpreting them. At site level, the Cha02 estimator 

produces highly variable and relatively conservative estimates of species richness. The behaviour 

of Cha02 as a 'minimum species richness' estimator (Chao et al. 2009) can be clearly seen for 

site 3A (Table 3.1). Comparing Sobs across all 12 sites, it seems unlikely that all species have 

been detected at site 3A, yet this is what Cha02 predicts (Table 3.1). Such an estimate is 

extremely conservative. A strict application of the stopping rule for Cha02 (Chao et al. 2009) 

would lead to the discontinuation of sampling as all three species present at site 3A are assumed 

to have been detected. The opposite criticism can be levelled at the Cha02 estimate for site 1 C. 

The Cha02 estimate for site 1 C is substantially greater than estimates for the other 11 sites (Table 

3.1). Such a result is certainly plausible unless one considers that the mean estimate for site 1 C is 

also greater than the mean estimate for the entire study area (Table 3.1), which is 

counterintuitive. Even though one could argue that the estimate for 1 C and the estimate for the 

entire study area may both be correct because the Cha02 estimates represent minima not 

maxima, and are therefore not mutually exclusive, this still runs counter to the expectation that a 

larger dataset, from a larger sampling effort, will typically contain more information about 

unseen species (Cherry et al. 2007). 

If we accept their conservative nature and take the estimates of Cha02 at face value, further 

challenging questions present themselves. Firstly, how does one use a 'minimum richness 

estimate' to make decisions when mean estimates range from 3 - 38 species, and standard errors 

vary dramatically? In the context of species richness, a conservative estimate runs the risk of 

under-valuing a site for conservation purposes, where the primary objective is to protect a greater 

number of species per unit area (e.g. Rey Benayas & de la Montana 2003; Rey Benayas et al. 

2006). This contrasts with other scenarios e.g. population management of threatened species, 

where a conservative estimate of population size and the sustainable mortality rate is preferable 

(Perrings & Walker ~004; Cherry et al. 2007). Secondly, what does it mean that the minimum 
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species richness estimate of site 1 C is much higher than those of sites 2A, 2B and 2C (Table 

3.1)? To conclude that there are true differences in species richness of these sites, a decision 

maker would need to be certain that the estimates represent true variation in species distribution 

and not variations in detection probability across different sites. Competing hypotheses to 

explain site-specific estimates cannot be tested using the Cha02 estimator because parameters 

such as detection probability are not estimated, and each site's data is considered in isolation. 

Questions such as these highlight the phenomenological nature of the Cha02 estimates and 

demonstrate why inference using the Cha02 estimates is vulnerable to criticism of the data 

generation process. 

Recently the Cha02 estimator has come in for criticism during the ongoing debate about grizzly 

bear (Ursus arctos horribilis) conservation in the Greater Yellowstone Ecosystem e.g. Doak & 

Cutler 2013. The yearly population estimate of the grizzly bear is based on the numbers of 

females with cubs-of-the-year (Fcoy; IGBST 2012). The Cha02 estimator was recommended by 

Cherry et al. (2007) and has been used by the Interagency Grizzly Bear Study Team (IGBST) to 

estimate the number of the total number of Fcoy from the incidence frequencies of seen Fcoy. 

Cha02 estimates ofFcoy have increased from ± 20 Fcoy in1983 to ± 50 in 2010 (Doak & Cutler), 

which has led to increasing estimates of grizzly bear population size and recent calls for them to 

be removed from the U.S. Endangered Species Act. Doak & Cutler (2013) have criticised these 

calls as misguided citing problems with the Cha02 estimator, which they show to be sensitive to 

search effort and to be producing less uniques despite increases in search effort and coverage. 

Doak & Cutler (2013) argue that the number ofuniques should be increasing if the grizzly bear 

population is in fact increasing as the trend since 1983 suggests. While Doak & Cutler (2013) do 

not argue that the Cha02 estimates are inaccurate, they caution that the correlations between 

search effort and estimated Fcoy are grounds to re-evaluate the apparent trend in numbers of 

Fcoy since 1983. The IGBST are reportedly considering alternative methods for estimating 

population size (Doak & Cutler; IGBST 2012), yet it is not apparent that hierarchical modelling 

is being considered. One of the great strengths of hierarchical modelling is the accurate 

estimation of trends in scenarios of varying sample effort or efficacy (Kery et al. 2009a). 
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3.4.2. Inference under the hierarchical model 

The hierarchical model provides a far more coherent picture than Cha02 of reptile richness 

across the 12 sites and in total. This coherence results from the fact that the model components 

are logically linked to each other and that the estimates derived at any level of analysis depend 

on the estimates of the level preceding it (Dorazio & Royle 2005a). Richness estimates derived 

using the hierarchical model showed little variation across the 12 sample sites despite differences 

in the detection frequencies of species across sites. In the absence of discernible site effects on 

detection or occurrence probability, the estimates for each species are treated as uniform across 

all sites. As the detection probabilities of the species observed decrease, the likelihood that they 

were present at sites where they were not detected increases. This leads to higher estimates of 

occurrence probability and similar estimates of species richness for each site. This does not mean 

that these richness estimates are necessarily more accurate (see Link 2003 and Dorazio & Royle 

2003), but the hierarchical model offers a clear explanation for them. Referring back to the 

difficulties of interpreting the Cha02 estimates for each site, the hierarchical model shows us 

that, in the absence of increased sampling efficacy, it is premature to treat the reptile 

assemblages found at each of the 12 sites as distinct. Due to the inclusion of information from all 

12 sites, the hierarchical model is able to 'see past' the site-specific variations in species 

detections. 

The benefit of implementing the hierarchical model in the Bayesian framework is that estimates 

of detection probability, occurrence probability and species richness are exact for the dataset 

used. In this case, the model illustrates that a lack of repeated detections of species at each site 

lead to problems of inference regarding occurrence probability. Low numbers of detections may 

have been caused by a violation of the closure assumption, small popUlations of the species at 

each site, trap avoidance behaviours and/or trap damage. Whatever the reason/s, the limited 

number of detections for many species should lead to cautious inference about their 

presence/absence. The uncertainty evident in the model estimates for these species' occurrence 

probability illustrates this point definitively. The other benefit of the Bayesian approach is that 

there is a full accounting for uncertainty as the model proceeds through the hierarchy of 

estimates. It follows then that site richness estimates should have narrower credible intervals than 

the estimate of total richness, and indeed this is what we observe (Table 3.3). 
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3.4.2.1. Patterns of Reptile Distribution 

According to the hierarchical model, failure to detect reptile species in the southern grasslands of 

SNR is typically the result of low detection probability and not due to the species' absence. 

Agama a. distanti was the only exception to this trend, and is predicted to have a patchy 

occurrence in grassland sites such as those sampled. The prediction was based on a low mean 

detection probability of 0.04 (Table 3.2). This result is encouraging in light of the fact that the 

detection probability for many of the species appears at first glance to be inadequate for 

ecological inference. The fact that a detection probability of 0.04 was sufficient to reduce the 

estimated occurrence probability of A. a distanti to levels significantly lower than those of the 

more common species e.g. T capensis (Fig. 3.1) suggests that even slight improvements in the 

average detection probability of the reptile assemblage will lead to more precise estimates of 

species richness. The increased detection probability would also reduce survey duration and 

costs. 

Estimates of the richness of the assemblage become more accurate as the proportion of species 

that have a non-zero probability of detection increases (Mao & Colwell 2005). In the grasslands 

of SNR, terrestrial and fossorial reptiles are expected to dominate the assemblage. It is therefore 

encouraging that the trap arrays employed in this survey were able to detect the presence of 

fossorial species such as Leptotyhplops sp. and AJrotyphlops bibronii. The detection of species 

with a fossorial life history means that the estimates of richness can be considered to encompass 

both the terrestrial and fossorial components of the reptile assemblage. Surprisingly, while the 

detection probabilities of the two fossorial species are low i.e. < 0.01, they are slightly higher 

than the detection probability of some of the terrestrial snakes e.g. Duberria lutrix (Table 3.2). 

Many fossorial species are extremely difficult to detect during surveys e.g. Homoroselaps spp., 

yet the capture of the more common fossorial species offers hope that they might be detected in 

such surveys in the future. 

Considering the limited sampling success in this survey, the hierarchical model's HPDI estimate 

of between 25 and 75 reptile species occurring at SNR is a reasonable outcome ofa survey that 

struggled to repeatedly detect many of the reptile species it recorded. The fact that the posterior 

distribution of the estimate is right-tailed further indicates that increased average detection 
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probability would have led to more precise estimates of species richness. As with all survey 

methods, the goal of improving the efficacy of trap arrays is shown to be an important 

consideration for researchers who wish to survey reptile assemblages or monitor them across 

longer time frames (Jones 2011). Simulation studies which aim to improve sampling efficacy, 

such as the one by Ellis & Bedward (2014), are very important for rapid advances in our ability 

to use hierarchical models on data that is collected more efficiently. For this survey however, the 

benefit of using the hierarchical model as the basis for inference about the reptile assemblage of 

SNR's grasslands is that we have generated a few ecological predictions, while simultaneously 

confirming realising that the survey's sampling efficacy was far from ideal. Consequently the 

hierarchical model appears preferable to the Cha02 estimator for inference. 

3.4.3. Conclusion 

Given the vast differences in the approach to estimation of Cha02 and the hierarchical model, a 

comparison of the two methods using their estimates is neither suitable nor the goal of this 

chapter. My aim in this chapter was to ascertain which of the two methods improves our 

understanding of the reptile assemblage at SNR and facilitates defensible inference. Under these 

criteria, the hierarchical model is more useful than Cha02. This is not to say that the Cha02 

estimator is performing poorly or giving demonstrably inaccurate estimates of species richness, it 

is simply not offering a defensible framework for inference using the estimates. This is exactly 

where the hierarchical model performs well. The model's construction means that the estimate of 

species richness depends on the estimated site occupancy matrix for each species - including 

those not detected during sampling (Kery & Royle 2008). As demonstrated in this chapter, the 

estimated site occupancy matrix can be used for inference about each species, each site, and total 

species richness. It can also be used for other purposes such as calculations of similarity or 

dissimilarity between sites, co-occurrence patterns of species, and many other questions of 

biogeographical interest (Dorazio & Royle 2005a). While the hierarchical model's results are 

sensitive to an analyst'S choices about the distribution of detection probabilities within the 

assemblage, this simply puts a greater emphasis on the model selection process or the reasoning 

for particular choices, and rightly so. 
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CHAPTER 4 

The Effects of Fire and Grass Cutting on Reptile 

Distribution 

Reptile responses to habitat change are poorly understood, particularly in southern Africa. In 

protected areas, reptiles are still vulnerable as reserve management is usually aimed at large 

mammal management. Such practices lead to increased grazing pressures and result in the use of 

fire to improve the quality of the vegetation for herbivore consumption. I investigated the effects 

of small-scale burns and grass cutting (to simulate vegetation removal by means other than fire) 

on reptiles in the grasslands of Suikerbosrand Nature Reserve (SNR). I surveyed reptiles at 12 

sites in southern SNR between August 2005 and April 2006 using trap arrays consisting of drift 

fences, pitfall traps and funnel traps. In January 2006, I burnt four sites, cut four sites and left 

four sites as controls. All sites were re-surveyed following the treatments. Only species that were 

detected on more than one occasion in each phase of trapping were selected for analysis. Nine 

species were selected using this criterion. An additional species i.e. Agama aculeata distanti, was 

also selected as it is of conservation concern due to its apparent restricted distribution. Using a 

hierarchical, dynamic, site-occupancy model, I tested for changes in the site occupancy status of 

sites in the different treatment groups for each of the 10 species. There was no evidence that 

burning or cutting resulted in changes in site occupancy for reptile species. There was evidence 

of an increase the detection probabilities of all reptile species between the first and second phase 

of trapping, but for eight species, the change was general and not linked to any treatment group. 

For two species i.e. Gerrhosaurus flavigularis and T. capensis, there was evidence of treatment

specific changes in detection probability. Analysis of this result using vegetation covariate data 

indicated that T. capensis responds positively as the height and ground cover of a site's vegetation 

increases. For G. flavigularis, there is some uncertainty regarding the effect of vegetation 

covariates, which may be resolved with further investigation. The finding of no effect of site 

treatment relates only to those species which were detected sufficiently for analysis. Of greater 

concern is the unknown response of the infrequently detected or 'rare' species. The cryptic nature 

of reptiles is a barrier to informed and effective habitat management for their conservation. 

56 



4.1. Introduction 

The modification of natural habitats by humans is the greatest single threat to global biodiversity 

(Brook, Sodhi & Bradshaw 2008). While all vertebrate taxa are adversely impacted by habitat 

modification, reptiles are thought to be more susceptible than either birds or mammals, with 

similar, if not greater sensitivity than amphibians (Gibbons et al. 2000; Gardner, Barlow & Peres 

2007). As a group, reptiles are typically less mobile than birds and mammals (Masterson et al. 

2009), are often habitat or substrate specialists (Urbina-Cardona, Olivares-Perez & Reynoso 

2006), and are consequently at greater risk in the face of changing conditions (Gibbons et al. 

2000; Kearney, Shine & Porter 2009; Bates et al. 2014). A recent assessment by B6hm et al. 

(2013) reports that an estimated 80% of the world's Threatened reptile species are threatened by 

multiple processes, of which the most serious threat involves land-use changes due to 

agriculture, logging, harvesting of natural resources or modification of natural systems. In 

southern Africa approximately 10% of the 384 recognised reptile species are presently threatened 

with extinction, where habitat loss/degradation is cited as the commonest threat (Bates et al. 

2014). Here again, agriculture, infrastructural development and fire are reported to have the 

greatest impact on species of conservation concern (Bates et al. 2014). In light of these facts, it 

follows that the study of habitat modification and disturbance on reptile species and populations 

is fundamental to their conservation. 

Given the widespread reports about the species-threatening effects of habitat modification, it is 

worrying that the effects of habitat change on reptile species are still poorly understood. In a 

recent review of the literature, Gardner et al. (2007) revealed that, despite six decades of 

research, there is no clear consensus regarding the consequences of various forms of habitat 

change for reptiles. The literature is characterised by geographic and process biases, with the 

majority of studies based in North America and focussing on fragmentation, and also indicates 

that reptiles have, for all forms of habitat modification, received less research attention than 

either birds or mammals (Gardner, Barlow & Peres 2007). While there has been an upswing in 

the numbers of studies in recent years, Gardner et al. (2007) highlight several factors common to 

most studies that limit the rate at which our understanding has improved. The three most 

important of these are (1) the cryptic habits of reptiles, which has direct consequences for (2) the 
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logistical challenges of effective, replicated sampling across various scales, and (3) the lack of 

standardised reporting, which precluded any attempt at a meta-analysis (Gardner, Barlow & 

Peres 2007). In their recommendations for future research, Gardner et al. (2007) argue for the 

need to shift away from traditional hypothesis-testing approaches in favour of analyses that 

better deal with uncertainty e.g. Bayesian methods. Bayesian methods are particularly suited for 

the sequential analysis of datasets, thereby facilitating incremental improvements in 

understanding over time. This is particularly relevant to studies conducted in geographic regions 

with a dearth of historical information e.g. southern Africa. 

In southern Africa, conservation management has historically been geared towards the protection 

of mammal species, particularly large, charismatic species e.g. the Big Five. This is not 

altogether surprising as reptiles provide minimal direct economic benefit e.g. ecotourism. The 

main economic uses of reptiles relate to the leather industry (Abensperg-Traun 2009) and pet 

trade (Van Wilgen et al. 2010), and the latter is difficult to quantify and regulate (Schlaepfer, 

Hoover & Dodd Jr 2005). The management of species for conservation purposes necessarily 

involves the manipulation of habitat conditions and the control of unwanted types of disturbance. 

Fire is one of the few tools available to conservation managers that can be used to influence 

habitat characteristics across large areas (Hudak, Fairbanks & Brockett 2004; Govender, 

Trollope & Van Wilgen 2006). It is therefore concerning that there are so few studies 

investigating the effects of fire on southern African reptiles (Parr & Chown 2003). Studies 

conducted in fire-prone habitats outside of southern Africa offer valuable context and 

demonstrate the challenges involved in the research (Greenberg, Neary & Harris 1994b; Ford et 

al. 1999; Cavitt 2000; Hailey 2000; Cunningham et al. 2002; Letnic et al. 2004; Driscoll & 

Henderson 2008; Smith, Bull & Driscoll 2013), but have limited applicability for conservation 

managers tasked with protecting the species in southern Africa (Masterson, Maritz & Alexander 

2008). 

Our inadequate understanding of southern African reptile species' responses to habitat 

modification - broadly and individually - compromises the conservation of these species in 

protected areas and may also result in the implementation of management plans that are 

inadvertently detrimental to their persistence. Recent studies on the topic have provided several 

insights but represent only the beginning of what must become a sustained research agenda. 
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Masterson, Maritz & Alexander (2008) concluded that vegetation structure is an important factor 

structuring herpetofaunal assemblages in South Africa's grasslands. A related study by 

Masterson et al. (2009) found that habitat modification associated with agricultural practices led 

to reduced species richness when compared with undisturbed grassland. Unfortunately, neither 

study explicitly accounted for detection probability to compensate for the presence of false 

negatives in the detection data. The recent advancements in our understanding of the effects of 

less-than-perfect detection probability on sampling efficacy and ecological inference (see Kery 

2002; MacKenzie & Kendall 2002; Kery & Schmid 2004; Dorazio & Royle 2005; Royle & 

Dorazio 2006; Royle & Kery 2007; Kery & Royle 2008, 2010; Yam aura et al. 2011; Bled, Royle 

& Cam 2011) indicate that this oversight may be material to the conclusions of both Masterson et 

al. (2008) and Masterson et al. (2009). As the detection probability of a species decreases, it 

introduces a bias into naive estimates of model coefficients (Kery 2010). In extreme cases, this 

can result in conclusions that are the opposite of the ecological reality. Such conclusions would 

be of even less use for conservation managers as they might provide a false sense of confidence 

in the actions undertaken. 

In this chapter I have attempted to address the two primary deficiencies in the current literature 

regarding habitat modification and reptiles in southern Africa. Firstly, I investigated the impacts 

of habitat changes resulting from fire or grass cutting on a site's reptile assemblage. The study 

took an experimental approach in that the habitat at the sample sites was actively modified 

during the sampling period. Secondly, I used a hierarchical model, which incorporates an explicit 

model of detection probability, to discriminate between the two possible causes of non-detection 

i.e. true absence or detection failure. The use of hierarchical models in studies investigating the 

effects of habitat modification on reptiles are uncommon, thus this study represents, globally, 

one of the first to make use of this relatively new method of analysis. Thus the goal of this study 

was to apply recommended analytical techniques to a critical conservation issue, thereby 

contributing to the discussion of both topics simultaneously. 
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4.2. Methods 

4.2.1. Reptile Survey 

I sampled reptiles at 12 sites in the southern portion of Suikerbosrand Nature Reserve (SNR) 

between 29 August 2005 and 26 April 2006 using trap arrays consisting of drift fences, funnel 

traps and pitfall traps. I aimed to select management blocks in SNR that: (1) were in the lower

lying i.e. non-plateau portion of the reserve; (2) had a well-developed grass layer (in terms of 

vegetation height and cover); and that (3) were large enough and sufficiently homogeneous to 

accommodate the placement of three trap arrays in similar microhabitat. Management blocks 

surveyed during 2005 and 2006 are shown in Fig. 4.1(a). Trap array placement on each of the 

four blocks aimed to maximise the distance between them, reduce site differences and optimise 

the accessibility of the site (Fig. 4.1(b)). Ultimately, trap arrays were placed between 80 to 100 m 

from either the tourist road or the closest management road and between 308 to 1137 m from the 

nearest neighbouring array. 

Due to the heterogeneity of SNR and constraints that resulted from accidental fires in June 2005, 

an 'ideal' set of homogeneous trap sites could not be selected. Blocks 1 and 3, were irregularly 

shaped with many small to large, rock-covered hills scattered across them (Figs 4.2 and 4.4). 

(a) 
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Fig. 4.1: Two images of Suikerbosrand Nature Reserve (as per the proclamation in 1973) showing (a) 

the delineation of the reserve's management blocks and the blocks surveyed (numbered 1-4) between 

August 2005 and April 2006; and (b) the tourist route through the reserve and the relative positions of 

the individual trap arrays. 
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Fig. 4.2: Satellite imagery from 10 September 2006 (downloaded from Google Earth ver. 

4.2.0205.5730 on 05/05/2008). The image shows a bird's eye view of the sites surveyed on Block 1 

between 29 August 2005 and 26 April 2006. The colour of the cross denotes the treatment applied to 

the site i.e. black = control, green = cut, and red = burnt. The image also shows how the habitat is 

different in composition around sites lA (Cut) and I C (Burnt) and the untreated grassland 

surrounding them, which is still evident even 7 months after the treatments in January 2006. (Note: 

The number displayed above the scale bar in the bottom left corner indicates the total distance 

represented by the scale bar and not of each subdivision within it.) 

Despite this, trap sites on these blocks had gentler slopes than the trap sites on blocks 2 and 4. 

Block 2 (Fig. 4.3) was relatively homogeneous in grass cover and slope, yet due to limited access 

the southern parts of the management block trap arrays were placed on a south-facing slope 

closer to the management road. Scattered rocks were more common at trap sites on blocks 1 and 

4 (Fig. 4.5) than on blocks 1 and 3, but none ofthe trap sites had a noteworthy proportion of 

'rocky' habitat. Additional details about the trap array layout and position of funnel and pitfall 

traps are given in Chapter 2. 
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Fig. 4.3 : Satellite imagery from 2 May 2007 (downloaded from Google Earth ver. 4.2.0205.5730 on 

05/05/2008). The image shows a bird's eye view of the sites surveyed on Block 2 between 29 August 

2005 and 26 April 2006. The colour of the cross denotes the treatment applied to the site i.e. black = 

control, green = cut, and red = burnt. The image also shows the visible difference in habitat between 

sites 2A (Burnt) and 2B (Cut) and the untreated grassland surrounding them, which is still evident 

even 15 months after the treatments in January 2006. (Note: The number displayed above the scale 

bar in the bottom left corner indicates the total distance represented by the scale bar and not of each 

subdivision within it.) 

Reptiles caught in the traps were identified to species and released near the site of capture. In 

addition to the basic processing of the other species, individuals of four lizard species i.e. 

Trachylepis capensis, Trachylepis varia, Gerrhosaurus flavigularis and Agama aculeata distanti 

were toe-clipped with an array-specific code (two toes were clipped on each lizard, where one 

toe indicated the block of first capture and the second indicated the trap array on that block). The 

species selected for marking are the most commonly captured species in Suikerbosrand Nature 

Reserve, thus I expected that many individuals of these species would be recaptured throughout 

the course of the survey. Recaptures were recorded along with the initial site of the lizard's 

capture in order to determine whether the trap arrays were too close together and were sampling 
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Fig. 4.4: Satellite imagery from 2 May 2007 (downloaded from Google Earth vel'. 4.2.0205.5730 on 

05/0512008). The image shows a bird's eye view of the sites surveyed on Block 3 between 29 August 

2005 and 26 April 2006. The colour of the cross denotes the treatment applied to the site i.e. black = 

control, green = cut, and red = burnt. (Note: The number displayed above the scale bar in the bottom 

left corner indicates the total distance represented by the scale bar and not of each subdivision within 

it.) 

the same individuals. If the recapture site and the initial site of capture differed, the lizard was 

neither remarked nor translocated back to the site of its initial capture. 

The collection of reptile data was divided into two sampling periods: Phase 1: 29 August 2005 -

19 January 2006, and Phase 2: 16 February 2006 - 26 April 2006. During Phase 1, traps were 

visited and checked a total of 104 times, with the exception of sites 4A - 4C, which were only 

installed on 30 September 2005 following the loss of three sample sites to an unplanned grass 

fire. Sites 4A, 4B and 4C were subsequently checked a total of 77 times during Phase 1. All trap 

arrays were checked 52 times during Phase 2. Between Phase 1 and Phase 2, I modified the 

habitat characteristics at eight of the 12 sites i.e. two of the three sites per management block. 

Four sites were burnt, the grass at four sites was cut and four sites were left unmodified as 
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Fig. 4.5: Satellite imagery from 2 May 2007 (downloaded from Google Earth ver. 4.2.0205.5730 on 

05/05/2008). The image shows a bird's eye view of the sites surveyed on Block 4 between 29 August 

2005 and 26 April 2006. The colour of the cross denotes the treatment applied to the site i.e. black = 

control, green = cut, and red = burnt. (Note: The number displayed above the scale bar in the bottom 

left corner indicates the total distance represented by the scale bar and not of each subdivision within 

it.) 

controls. Details of the sites which were treated or left unmo~ified are shown in Table 4.1 (as 

well as Figs 4.2, 4.3, 4.4 and 4.5). At each treated site, a square of 120 m by 120 m centred on 

the trap array was burnt or cut resulting in a treated area of approximately 1.5 ha. 

I tested the effects of grass cutting and burning on site occupancy of reptile species in phase 2. 

Detection data from Phase 1 were used for baseline comparative purposes and to estimate the 

occupancy state of each site. A total of 20 and 12 reptile species were detected in Phase 1 and 

Phase 2 respectively. Due to large variation in the numbers of detections for each species in each 

phase, I restricted my analysis to species which were detected more than once in both phases of 

sampling. Nine of the 20 species recorded during sampling met these criteria; four lizard and five 

snake species. They were (in descending order of total number of detections): Gerrhosaurus 

flavigularis, Trachylepis capensis, Trachylepis varia, Afroablepharus wahlbergii, Psammophis 
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crucifer, Bitis arietans arietans, Pseudaspis cana, Hemachatus haemachatus and Lycophidion 

capense capense (see Table 4.2). Additionally, I included and analysed the data for Agama 

aculeata distanti, because the species was detected frequently in Phase 1 and because of the 

species' low occurrence probability (see Chapter 3). 

4.2.2. Vegetation Monitoring 

To quantify the effects of burning or grass cutting on the vegetation at each treated site, I 

measured the grass height and grass cover at each site both before and after the treatments in 

February 2006. Four sets of vegetation measurements were taken in September 2005 (the start of 

the survey), January 2006 (prior to habitat modification), February 2006 (immediately after 

habitat modification) and April 2006 (the end of the survey). These four sampling periods 

correspond to (1) early spring prior to the rainy season and growth, (2) midsummer, (3) late 

summer and (4) mid-autumn when the dry season starts. During each vegetation survey I 

measured grass height and grass cover in an area of approximately 1.5 ha centred on the trap 

array i.e. 120m x 120m. In each of 301m x 1m quadrats, I estimated the percentage of soil 

covered by vegetation and measured the height of the grass/vegetation at each of the four corners 

of the quadrat. In this context, grass cover is defined as the percentage of soil obscured by the 

vegetation when looking down on the soil from a height of l.9 m (observer height). The terms 

'grass cover' and 'grass height' are used because grass species dominated at each of the 12 sites, 

however shrubby components of the vegetation e.g. Stoebe vulgaris were not excluded from 

measurements of the two variables. 

Using these data, I calculated the average grass cover and grass height for each site during each 

phase of the reptile survey and assessed their effect on the site-specific detection probability of T. 

capensis and G. jlavigularis. 

4.2.3. Dynamic Occupancy Models 

Static occupancy models are appropriate when population/community closure is a valid 

assumption for the period of sampling. When the occupancy state of sites is expected to change 

during the study period, models of occupancy dynamics must be included to account for the fact 
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Table 4.1: Details of the 12 sites sampled between 29 August 2005 and 26 April 2006. The Phase 1 structural 

classification of each site's habitat (sensu Edwards 1983), the treatment applied at each site, and the mean grass 

height and grass cover at each site in each phase are shown. 

Site Phase 1 Structural Treatment Grass Height (cm; Mean ± 1 SE) Grass Cover {%; Mean ± 1 SE) 
Classification Phase 1 Phase 2 Phase 1 Phase 2 

lA low, closed Cut 44.83 ± 30.22 23.50 ± 18.66 77.67 ± 15.50 66.33 ± 22.09 
IB low, closed Control 47.86 ± 29.54 51.53 ± 26.60 72.33 ± 13.94 83.67 ± 12.78 
lC short, closed Burnt 50.41 ± 32.51 25.52 ± 21.44 73.75 ± 15.28 49.17 ± 19.70 
2A short, closed Burnt 51.79 ± 27.56 20.29 ± 17.49 63.42 ± 16.61 36.08 ± 20.83 
2B short, closed Cut 54.27 ± 29.64 24.55 ± 13.80 79.17 ± 13.78 70.91 ± 18.33 
2C low, closed Control 42.08 ± 28.45 64.35 ± 32.08 71.33 ± 18.47 87.58 ± 11.77 
3A short, closed Cut 59.45 ± 34.88 34.26 ± 25.02 69.83 ± 19.33 75.58 ± 17.22 
3B tall, closed Control 104.43 ± 50.44 96.80 ± 46.40 74±17.78 86.17 ± 12.53 
3C short, closed Burnt 72.23 ± 41.12 32.78 ± 27.78 83.83 ± 11.29 49.08 ± 23.59 
4A low, closed Burnt 40.47 ± 29.55 13.91 ± 7.40 84.50 ± 10.28 34.08 ± 15.77 
4B short, closed Cut 52.47 ± 37.77 25.98 ± 15.54 82.42 ± 11.22 85.75 ± 9.47 
4C low, closed Control 30.85 ± 33.36 61.96 ± 37.54 66.83 ± 26.15 87.75 ± 9.47 

that non-detections of species at sites where they were previously detected may result from a 

change in the species' occupancy of the site. The assumption of population closure is clearly 

unreasonable for a combined analysis of the detection data from Phase 1 and Phase 2 because 

changes in site occupancy following the treatment of sites must be allowed for. In terms of 

structure, a hierarchical formulation of a dynamic occupancy model is only slightly different to a 

static occupancy model. For both types of occupancy model, one model describes the occupancy 

process and the second represents the sampling process i.e. the detection of species conditioned 

upon the occupancy state of each site. In dynamic occupancy models the difference is that the 

occupancy state is allowed to vary between primary sampling periods. In the formulation of 

Royle & Kery (2007), the occupancy state in each primary sampling period, other than the first, 

depends on two parameters: (1) the species' survival probability between primary sampling 

periods and (2) the probability that the species colonises the site between primary sampling 

periods. Application of the survival or colonisation probabilities for each site depends upon the 

occupancy of the site in the preceding primary period. Following the notation of Royle & 

Dorazio (2008), let Zit denote the occupancy of site i in primary sampling period t; then 
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Zi,t I Zi,t-I ~ Bernoulli (1ti,t) eqn 4.1 

and 

1ti,t = Zi,t-I ~i,t-I + (1 - Zi,t-I) Yi,t-I eqn 4.2 

where ~ represents the species' survival probability at site i in the preceding primary sampling 

period, and Y represents the colonisation probability of site i for the preceding primary sampling 

period. From Eqn 4.2 we see that an occupied site in period 1-1 remains occupied in period 1 with 

a probability of ~t-I, while a site that is unoccupied in period 1-1 becomes occupied in period 1 

with a probability OfYt-I. However when 1 = 1, no information about the occupancy states of our 

sites is available to estimate ~ or y. For 1 = 1, 

Zi,l ~ Bernoulli ('VI) eqn 4.3 

where 'V is the occurrence probability of the species at each site for the first primary sampling 

period. 

Multiple forms of the dynamic occupancy model have been demonstrated in the literature (e.g. 

MacKenzie et ai. 2003; Royle & Kery 2007; Kery el al. 2009). Covariates thought to influence 

site-specific or period-specific survival or colonisation probabilities can be included using the 

generalised linear modelling (GLM) framework and an appropriate link function e.g. logit (Kery 

& Schaub 2011). Alternatively the model for occurrence probability can be specified in an auto

logistic formulation (Royle & Dorazio 2008). The benefits of the auto-logistic formulation are: 

(1) that the effects of a covariate on net occupancy can be tested without having to specify 

covariate effects on survival and colonisation probability individually, (2) improved 

orthogonality of the parameters in the posterior and (3) reduced auto-correlation in the Markov 

chain simulations of the parameter's posterior distributions (Royle & Dorazio 2008). To specify a 

site covariate occupancy model in auto-logistic format, we modify equation 4.2 such that 

logit (1ti,t) = at + bt Zi,t-I + PI Xi eqn 4.4 

where at and bt represent auto-regression parameters on the logit-normal scale and PI is the effect 

of site covariate Xi on the occupancy of site i. Model estimates of the auto-regression parameters 

from eqn 4.4 are used to calculate ~ and Y, such that 
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eqn 4.5 

and 

eqn 4.6 

The effect of the site covariate Xi has no direct effect on survival and colonisation probability 

(equations 4.5 and 4.6), but does affect the occupancy of site i (equations 4.1 and 4.4; Royle & 

Dorazio 2008) 

The model for detections of the species being conditional upon a site's occupancy is similar to 

that of the static occupancy models (see Chapter 3), and also allows for one to test for site- or 

period-specific variation in detection probability (P) using relevant covariates. 

4.2.3.1. Fitting the Model 

For the 10 selected species, I used the auto-logistic formulation of the dynamic occupancy model 

(Royle & Dorazio 2008) to estimate the detection probability, occurrence probability, the number 

of occupied sites in the two phases of sampling and the phase-specific finite-sample occupancy 

rate (is) i.e. the proportion of the 12 sites occupied in each phase. I tested the effect of site 

treatment on site occupancy in Phase 2 using eqn 4.4 and specifying Pl as a factor with three 

levels i.e. ANOV A format with Pk where k = control, cut, or burnt sites. 

F or eight of the 10 species (not including G. jlavigularis and T capensis), I assumed that phase 

was the only factor affecting detection probability and that the detection probability in the two 

phases were independent. Let Yi,t denote the number of detections at site i in Phase t, then 

Yi,t - binomial (Nt, Zi,t Pt) eqn 4.7 

where N represents the number of samples or trap visits, Zi,t represents the occupancy status of 

site i in Phase t and where Pt - uniform (0, 1). For G. jlavigularis and T capensis i.e. the two 

most frequently detected species, I used the logit-link function of the GLM framework to model 

two forms of structure in each species' p. For the first model of p, I used an ANOVA format 

where I allowed p to vary between each treatment type. In means parameterisation (see Kery 

2010), the linear model for the detections of G. jlavigularis and T capensis extends from eqn 4.7 

to 
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Yi,t - binomial (Nt, Zi,t Pi,t) 

for 

logit (Pi,t) = Uk,! eqn 4.8 

where Uk,t - normal (0,10) and represents the logit-normal detection probability at sites in 

treatment group k in Phase t. In the second model of p, I used a linear regression structure and 

included the two vegetation covariates i.e. grass height and grass cover in the linear model as 

follows: 

logit (Pi,!) = f.lt + Vt * coveri,! + Of * heightu eqn 4.9 

where f.lt is the intercept of the detection probability in phase t, Vt is the coefficient for the effect 

of average grass cover at site i during phase t, and Ot is the coefficient for the effect of average 

grass height at site i during phase t (see Table 4.1). I used standardised normal distributions of 

the measures of grass height and grass cover to prevent issues with parameter estimation when 

using MCMC (see Kery 2010). 

The extension of the detection model for T capensis and G. flavigularis was motivated by two 

factors: (1) the high number of detections in total and per phase (see Table 4.2) and (2) the high 

occupancy rates of the both species i.e. > 1 0 sites in each phase. In combination these 

observations confirm that G. flavigularis and T capensis are abundant, widespread species in the 

open grasslands of SNR. As a consequence of these species' abundance, the site treatments are 

more likely to affect detection probability resulting from changes in abundance or behaviour of 

the species at affected sites with no change in site occupancy. In using the two models I aimed to 

assess whether any differences in p between sites was a general outcome of the treatments or a 

result of changes in the two vegetation covariates measured during the vegetation surveys. 

All models were implemented according to the Bayesian framework for inference. The 

advantage of the Bayesian implementation of the dynamic occupancy model is that the latent 

variable for occupancy in each period is retained (Royle & Kery 2007), whereas it is integrated 

out of the model when using likelihood estimation (MacKenzie et al. 2003). Markov Chain 

Monte Carlo simulations ofthe dynamic occupancy model for each species were executed using 

JAGS v. 3.4.0 (Plummer 20 13 a) called from within R v. 2.15.1 (R Core Team 2012) using the 
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rjags package (Plummer 2013b). I used vague normal priors for parameters a, b, PI, and a. (for G. 

flavigularis and T capensis), and specified a vague uniform prior on p (for the other eight 

species). Posterior distributions for all parameters were calculated using three parallel chains of 

20k iterations from which I discarded the first 4k iterations as burn-in. Chains were initialised 

using different starting values and thinned by 8, leaving a total of 6k iterations for inference. 

Chains of this length appeared to have converged sufficiently with Gelman-Rubin statistic values 

of < 1.003 for all the structural model parameters (Gelman & Rubin 1992). 

4.3. Results 

The total numbers of detections for each species across all 12 sites in each phase are shown in 

Table 4.2. Gerrhosaurus flavigularis and T capensis were the most frequently trapped species 

with 152 and 151 detections respectively, followed by T varia (52) and A. wahlbergii (35; Table 

4.2). Thirteen of the 20 species were detected less than 10 times in total across both phases of 

sampling (Table 4.2). The most commonly detected snake species were P. crucifer (23) and B. a. 

arietans (11; Table 4.2). Seven of the 10 species selected for analysis (indicated using ** in 

Table 4.2) were detected more times in Phase 2, despite its shorter duration and number of trap 

visits i.e. 52 (Table 4.2). The exceptions were G. flavigularis, T capensis and A. a. distanti, but 

while the number of detections for G. flavigularis and T capensis exceeded 50 in Phase 2, the 

number of detections of A. a. distanti decreased from 21 in Phase 1 to zero in Phase 2 (Table 

4.2). 

The model-based estimates for the relevant ecological parameters are shown in Table 4.3. The 

posterior mean detection probability of all species increased from Phase 1 to Phase 2 (Table 4.3), 

which is to be expected given that most species were detected a greater number oftimes in half 

the number oftrap visits i.e. 104 in Phase 1 vs 52 in Phase 2 (Table 4.2). The increase in 

detection probability in Phase 2 was significant for T varia, A. wahlbergii and P. crucifer (Table 

4.3). Are-analysis of the data for these three species, using the model which included an effect 

of treatment type on detection probability in Phase 2, indicated that the increases in Phase 2 

detection probability were general in nature and not restricted to any particular treatment type. 

For A. a. distanti the increase in mean detection probability is a function of the lack of detections 

70 



Table 4.2: Total number of detections across all sites per phase for each of the 20 reptile species recorded between 

29 August 2005 and 26 April 2006. Species selected for analysis using the dynamic occupancy model are indicated 

(* *). 

Famill' S~ecies Phase 1 Phase 2 

Lizards 

Agamidae 

Agama a. atra 0 

Agama aculeata distanti 21 0 

Gerrhosauridae 

Gerrhosaurus flavigularis 87 65 
Scincidae 

AJroablepharus wahlbergii 2 33 
Trachylepis capensis 93 58 
Trachylepis varia 15 37 

Snakes 

Typhlopidae 

AJrotyphlops bibronii 5 0 

Leptotyphlopidae 

Leptotyphlops sp. 7 0 

Lamprophi idae 

Aparallactus capensis 

Boaedon capensis 0 

Duberria I. lutrix 0 

Lamprophis aurora 1 0 

Lycophidion c. capense 2 3 
Psammophis crucifer 5 18 
Psammophylax r. 
rhombeatus 3 
Pseudaspis can a 3 4 

Colubridae 

Dasypeltis scabra 2 0 

Elapidae 

Hemachatus haemachatus 2 5 
Viperidae 

Bitis arietans arietans 4 7 
Causus rhombeatus 2 1 
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in Phase 2 and the mean of the prior distribution, as is evident in the precision of the posterior 

distribution (Table 4.3). For G. flavigularis and T capensis, there was minor variation in the 

species' detection probability at sites in each treatment group in Phase 1, but in Phase 2 the 

detection probability of G. flavigularis was greater at cut sites than at control or burnt sites, and 

the detection probability of T capensis was lower at burnt sites than at cut or control sites (Table 

4.3). On the probability scale, the mean detection probability of G. flavigularis at cut sites in 

Phase 2 was 0.18 compared with 0.09 and 0.08 at control and burnt sites respectively. The mean 

detection probability of T capensis at burnt sites in Phase 2 was 0.04, as compared with 0.12 and 

0.11 for the control and cut sites respectively. These results suggest that a change in the 

behaviour or abundance of these two common lizards occurred at one or all of the sites in the 

relevant treatment group. 

The effects of treatment type on net occupancy rates varied between positive and negative means 

with large posterior standard deviations, which resulted in overlapping posterior distributions for 

Pcontrol, Pcut, and Pburnt that included 0 i.e. had no net positive or negative effect on occurrence 

probability in eqn 4.4 (Table 4.3). The estimates of the number of occupied sites (Nocc) for each 

species in each phase are also shown in Table 4.3. The model estimates of the finite-sample 

occupancy rates (is), which depend on the estimates of Nom were typically more precise in 

Phase 2 than in Phase 1. For A. wahlbergii the Phase 2 estimates were much more precise; for P. 

crucifer and H haemachatus the precision of the Phase 2 estimates increased and the upper limit 

of the 95% credibility interval decreased to < 1; for P. cana and L. c. capense the precision and 

the mean occupancy rate increased (Table 4.3). Again, the exception to this trend was A. a 

distanti for which the estimated occupancy rate was significantly lower than in Phase 1, but the 

estimated occupancy rate was less precise in Phase 2 (Table 4.3). In the absence of discernible 

effects of treatment type on the occurrence probability of each species, the most likely cause of 

the differences in Nocc and the estimates of is between phases is the difference in the detection 

probability ofthe species in Phase 2. However, for A. a. distanti it is difficult to be certain that 

the treatments had no effect on the species' site occupancy in Phase 2. Model estimates of Nocc in 

Phase 1 predict that the species occurs only at the sites at which it was detected i.e. site lA, 2A 

and 2C (Table 4.3). With no detections of A. a. distanti at these three sites in Phase 2, the 95% 

credible interval for Nocc shifts downwards to the range of 0 to 2 sites for Phase 2 (Table 4.3). 

Site 2C was not treated between Phase 1 and Phase 2, but site lA was cut and site 2A, which 
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Table 4.3: Model-based parameter estimates for each of the 10 species selected for analysis. Parameters estimated 

by the dynamic occupancy model are: the log it-scale survival (~) and colonisation (y) probability of each species 

from Phase I to Phase 2; the logit-scale effect of treatment type Weon/ral, Peut, Phllrn) on site occupancy in Phase 2; the 

initial occupancy probability of occurrence in Phase I (\If I); the occupancy rate i.e. finite-sample estimates of 

occurrence probability (\lffs) in Phase I and 2, which are derived from the number of occupied sites in each phase 

(Noec). Apart from G. jlavigularis and T capensis, the model assumed a constant detection probability (P) for each 

species in the two phases of sampling. For G. jlavigularis and T capensis, detection probability was allowed to vary 

by treatment type in each phase (aeontrol, aeut, ahurn; as per eqn 4.8) and estimates are shown on the logit scale. The 

posterior mean, standard error (posterior standard deviation) and 95% credible interval are shown for all parameters. 

The phase of sampling relevant to each parameter is shown in square brackets. 

Species Parameter Mean SE Credible Interval 

2.5% 50% 97.5% 

Gerrhosaurus flavigularis 

ueon/rollJ -2.455 0.189 -2.835 -2.450 -2.097 

ueltt[1J -2.561 0.197 -2.961 -2.557 -2.186 

uhurnl1J -2.224 0.199 -2.629 -2.219 -1.851 

ueontrol2J -2.314 0.238 -2.799 -2.304 -1.874 

ueul2J -1.483 0.208 -1.902 -1.480 -1.089 

uburnl2J -2.428 0.254 -2.952 -2.421 -1.954 

'1'1 0.859 0.090 0.639 0.876 0.982 

<l> 3.367 2.202 -0.796 3.341 7.866 

Y 2.123 2.328 -2.299 2.096 6.756 

~eontrol2J 1.738 2.547 -3.076 1.637 7.065 

~eut[2J -1.587 2.247 -5.942 -1.623 2.793 

~burnt[2J 2.089 2.485 -2.544 1.997 7.278 

Noee[1J 11.002 0.039 11 11 11 

Noec!2J 11.003 0.056 11 11 11 

o/"[1J 0.917 0.003 0.917 0.917 0.917 

0/"[2J 0.917 0.005 0.917 0.917 0.917 

Trachylepis capensis 

ucolllrollJ -2.231 0.169 -2.571 -2.228 -1.913 

ucut[1J -2.419 0.185 -2.790 -2.416 -2.070 

Ubllrnt[1J -2.773 0.216 -3.208 -2.768 -2.363 

uClintrol2J -1.954 0.212 -2.384 -1.947 -1.561 

ueul2J -2.047 0.219 -2.492 -2.041 -1.642 

Ubltrlll[2J -3.162 0.392 -3.961 -3.147 -2.434 

'1'1 0.929 0.067 0.752 0.949 0.998 

<l> 5.126 2.795 0.226 4.907 11.231 

Y 2.600 2.587 -2.443 2.577 7.722 

~eontrol2J 1.107 2.724 -4.154 1.079 6.637 
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~curf2] 1.165 2.710 -4.142 1.200 6.560 

~burnrf2] 0.308 2.912 -5.103 0.196 6.180 

Noccfl] 12 0 12 12 12 
Noccf2] 11.747 0.435 11 12 12 
~s[1] 1 0 

~[2] 0.979 0.036 0.917 

Trachylepis varia 

p[1] 0.017 0.005 0.009 0.017 0.029 
p[2] 0.078 0.013 0.054 0.078 0.105 

\jIJ 0.773 0.139 0.465 0.790 0.983 

~ 2.086 2.189 -1.881 2.001 6.568 

Y 1.335 2.236 -3.003 1.319 5.699 

~contro£2] -1.432 2.099 -5.496 -1.444 2.667 

~curf2] 2.522 2.370 -1.865 2.396 7.437 

~burnrf2] 0.189 2.388 -4.332 0.074 5.185 

Nocc[1] 9.777 1.262 8 10 12 
Noccf2] 9.356 0.612 9 9 11 
\jIfs [1] 0.815 0.105 0.667 0.833 
~S[2] 0.780 0.051 0.750 0.750 0.917 

Afroablepharus wahlbergii 

p[1] 0.007 0.006 0.001 0.005 0.024 
p[2] 0.066 0.012 0.044 0.065 0.093 

\jIJ 0.485 0.245 0.103 0.454 0.961 

~ 1.655 3.113 -3.871 1.396 8.566 

Y 2.061 2.228 -2.302 2.026 6.451 

~c()ntro£2] 0.851 2.518 -3.849 0.770 6.148 

~curf2] 0.676 2.423 -3.787 0.574 5.912 

~hurllrf2] 0.518 2.414 -3.962 0.408 5.695 
Nocc[1] 5.798 3.021 2 5 12 

Noccf2] 9.934 0.908 9 10 12 

~[1] 0.483 0.252 0.167 0.417 
~S[2] 0.828 0.076 0.750 0.833 

Agama aculeata distanti 
p[1] 0.070 0.015 0.044 0.069 0.101 
p[2] 0.478 0.300 0.004 0.476 0.975 

\jIJ 0.283 0.116 0.089 0.272 0.54 

~ -5.128 3.346 -11.941 -4.972 0.88 

Y -4.043 2.314 -8.66 -4.021 0.311 

~contro£2] -1.316 2.692 -6.987 -1.214 3.696 

~curf2] -1.386 2.615 -6.761 -1.265 3.532 

~hurnt[2] -1.317 2.626 -6.595 -1.262 3.675 
Nocc[1] 3.014 0.119 3 3 3 
Noccf2] 0.171 1.071 0 0 2 
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o/'[l} 0.251 0.010 0.250 0.250 0.250 
'Vfs [2} 0.014 0.089 0 0 0.167 

Psammophis crucifer 

p[1} 0.007 0.003 0.002 0.006 0.015 
p[2} 0.047 0.012 0.026 0.046 0.074 

'VI 0.741 0.171 0.369 0.763 0.986 

~ 1.503 2.381 -2.798 1.413 6.607 

Y 0.814 2.369 -3.731 0.771 5.596 

~conlrol2} 2.762 2.366 -1.850 2.718 7.494 

~cut[2} -0.068 2.299 -4.381 -0.163 4.913 

~burntf2} -1.975 2.253 -6.247 -2.031 2.541 
Nocc[1} 9.364 1.875 6 10 12 
Noccf2} 7.875 1.177 7 7 11 
1js[1} 0.780 0.156 0.500 0.833 
~S[2} 0.656 0.098 0.583 0.583 0.917 

Bitis arietans arietans 
p[1} 0.007 0.004 0.002 0.006 0.016 
p[2} 0.017 0.007 0.007 0.016 0.035 

'VI 0.658 0.202 0.266 0.667 0.979 

~ 3.803 2.929 -1.398 3.605 10.124 

Y 1.338 2.714 -3.722 1.253 6.876 

~colllrol2} 0.866 2.746 -4.29 0.737 6.463 

~cutf2} 1.008 2.722 -4.109 0.947 6.469 

~burnt[2} -0.463 2.857 -5.778 -0.63 5.499 
Nocc[1} 8.217 2.33 4 8 12 
Noccf2} 9.548 1.978 6 10 12 
'Vfs {1} 0.685 0.194 0.333 0.667 
'Vfs[2} 0.796 0.165 0.500 0.833 

Hemachatus haemachatus 

p[1} 0.007 0.006 0.001 0.005 0.022 
p[2} 0.048 0.024 0.011 0.044 0.101 

'VI 0.509 0.241 0.108 0.494 0.956 

~ -2.791 3.052 -8.906 -2.776 3.268 

Y -1.065 2.161 -5.276 -l.l23 3.286 

~colllrol2} 0.630 2.201 -3.588 0.626 4.954 

~clII[2} 0.566 2.166 -3.589 0.549 4.980 

~bll/'lltf2} -2.273 2.521 -7.301 -2.24 2.567 
Nocc[1} 6.094 2.912 2 6 12 
Noccf2} 2.791 1.526 2 2 7 
'Vfs[1} 0.508 0.243 0.167 0.500 I 
~S[2} 0.233 0.127 0.167 0.167 0.583 
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Pseudaspis cana 

p[1} 0.007 0.005 0.001 0.006 0.020 
p[2} 0.010 0.006 0.003 0.009 0.025 

\jJ1 0.582 0.226 0.175 0.577 0.972 

~ 3.761 3.017 -1.673 3.578 10.105 

Y 1.724 2.66 -3.334 1.697 7.025 

~conlrot!2} 0.454 2.859 -4.965 0.369 6.155 

~clll2} 1.189 2.705 -3.987 1.129 6.67 

~burnt[2} 0.109 2.897 -5.280 -0.025 6.036 
Nocc[1} 7.123 2.708 3 7 12 
Noccf2} 9.703 2.076 5 10 12 
¥'[1} 0.594 0.226 0.250 0.583 
\jJ{'[2} 0.809 0.173 0.417 0.833 

Lycophidion capense capense 

p[1} 0.007 0.006 0.001 0.005 0.024 
p[2} 0.012 0.008 0.002 0.010 0.034 

\jJ1 0.479 0.245 0.095 0.446 0.958 

~ 0.556 3.941 -6.667 0.300 8.797 

Y 1.014 2.510 -3.671 0.916 6.287 

~conlrot!2} 2.003 2.546 -2.893 1.966 7.027 

~cul2} -1.741 3.088 -7.665 -1.897 4.795 

~burnl2} 0.847 2.620 -4.237 0.809 6.27 
Nocc[1} 5.706 3.005 2 5 12 
Noccf2} 7.405 2.702 3 7 12 

o/'[1} 0.476 0.250 0.167 0.417 

'!I[2} 0.617 0.225 0.250 0.583 

produced the greatest number of detections in Phase 1, was burnt prior to the sampling in Phase 

2. The fact that A. a. distanti was not detected in any treatment group means that alternate 

explanations for the change in detection probability cannot be ruled out, thereby leaving the issue 

ofthe effects of burning and cutting on A. a. distanti at an ambiguous outcome. 

The results of the regression of vegetation covariates on the detection probability of G. 

flavigularis and T. capensis are shown in Table 4.4. The parameter estimates for the effects of 

grass cover and grass height on the detection probability of G. flavigularis in Phase 2 indicate 

that grass cover and detection probability were positively related while grass height and 

detection probability were negatively related. The 95% credible intervals for the two parameters 

do include zero (Table 4.4) and thus are not unambiguous, yet they explain the possible 
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mechanism for the changes in detection probability of G. flavigularis in Table 4.3 (above). 

Burning caused a decrease in both grass cover and grass height relative to a site's pre-treatment 

condition, whereas grass cutting reduced a site's grass height with minimal impact on the grass 

cover (Table 4.1). To explain the observation that the species' detection probability at control 

sites was the same as at burnt sites in Phase 2, the effects of a change in both grass cover and 

grass height must cancel each other out. The fact that the species' detection probability was 

highest at cut sites in Phase 2 means that the model predicts a negative relationship between 

grass height and detection probability. For T capensis, model estimates of the coefficients for 

the effects of grass cover and grass height in Phase 2 are unambiguous. The estimated effects of 

grass cover and grass height are both positive, such that detection probability of T capensis 

increases as the percentage grass cover and the average grass height of a site increases (Table 

4.4). Again, this matches the result shown in Table 4.3, where the lowest detection probability of 

T capensis in Phase 2 was at burnt sites i.e. low grass cover and low grass height. 

Table 4.4: The effects of grass cover (v) and grass height (0) on the detection probability of G. flavigularis and T. 

capensis in Phase 1 and Phase 2 of the reptile survey. Detection probability was modelled according to eqn 4.9 using 

standardised normal distribution of the two covariates for each phase (see Table 4.1 for actual measures). All non

detection parameters shown in Table 4.3 were equivalent between the two models (down to MCMC error), and are 

not shown again. Parameter estimates are shown on the logit-normal scale, and the number in square brackets 

indicates the phase of sampling to which the estimate pertains. 

Species Parameter Mean SE Credible Interval 

2.50% 50% 97.50% 

Gerrhosaurus flavigularis 

!l[l] -20425 0.118 -2.658 -20423 -2.195 

!l[2] -2.106 0.142 -20400 -2.102 -1.837 

v[1] -0.076 0.168 -00403 -0.076 0.256 

v[2] 0.223 0.139 -0.042 0.220 0.504 

0[1] -0.071 0.119 -0.317 0.066 0.156 

0[2] -0.283 0.158 -0.602 -0.276 0.Q15 

Trachylepis capensis 

!l[1] -20484 0.113 -2.714 -20481 -2.269 

!l[2] -20458 0.170 -2.810 -20453 -2.141 

v[1] -0.057 0.113 -0.274 -0.059 0.165 

v[2] 0.572 0.191 0.211 0.563 0.953 

0[1] 0.195 0.098 -0.003 0.198 0.382 

0[2] 0.334 0.134 0.072 0.335 0.600 
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4.4. Discussion 

In the context of species management, the model parameters of greatest importance are (1) 

detection probability, (2) occurrence probability and (3) the occupancy rate i.e. the number of the 

12 sampled sites that were occupied by each species in each phase of sampling. While the 

ecological parameters i.e. occurrence probability and occupancy rate are the focus of this 

investigation, the detection probability determines the data available to estimate them. As the 

detection probability of a species increases, so does the accuracy of model-based estimates of 

ecological parameters. The benefit of using a model that explicitly accounts for detection 

probability in each phase is that the estimates of occurrence probability in Phase I are not biased 

low simply because the detection probability is low (Kery 2002; MacKenzie & Kendall 2002; 

MacKenzie et al. 2003). This compensation for detection probability is clearly demonstrated for 

species such as H haemachatus, where the upper bound of the 95% credible interval for ~ in 

Phase 1 is greater than in Phase 2 (Table 4.3). Discriminating between false negatives and the 

actual absence of a species was one of the primary motivations for the development of these 

hierarchical models (Kery 2002; MacKenzie et al. 2003; Dorazio & Royle 2005b). For example, 

G. flavigularis was detected at 11 sites in Phase I and Phase 2, but was considered absent at the 

12th site due to the high detection probability of the species. The ability to distinguish between 

sites at which a species is not detected and those from which a species is absent is crucial in 

studies where a change in the occupancy state variable is the focus of investigation. 

From the data collected for this study, there appears to be a negligible effect of habitat 

modification on the site occupancy status of the reptile species in the southern grasslands of 

SNR. The general increase in the species' mean detection probability between Phase 1 and Phase 

2 of the sampling led to improved precision in the estimates of site occupancy and the occupancy 

rate in the latter, yet reductions in site occupancy were not attributed to the treatment of the sites. 

For example, the estimated mean occupancy rate of H haemachatus decreased from 0.508 in 

Phase I to 0.238 in Phase 2, but this was primarily explained by the seven-fold increase in 

detection probability and not by the treatment of the sites (Table 4.3). Gerrhosaurusflavigularis 

and T. capensis, the two widespread and abundant lizard species, showed variations in detection 

probability per treatment type, yet their occupancy rate was not affected by the habitat 
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modifications. While these variations are of interest from an ecological perspective, on the whole 

the two species are resilient to changes in their habitat. Unfortunately, firm conclusions 

regarding the sensitivity of the infrequently detected species to habitat modification are not 

possible as it would be unwise to base management decisions on an analysis of data with low 

information content. 

One species that does merit further consideration is A. a. distanti. Analysis of the distribution of 

the species both here and in Chapter 4, as well as the additional detection data presented in 

Chapter 5, supports the inference that the species is patchily distributed across SNR. Three 

competing hypotheses can explain the observed detection data for this species. Firstly, the 

detection probability of A. a. distanti may vary in response to factors not considered here or 

elsewhere in the thesis e.g. seasonal peaks in activity, yet the species may have high occupancy 

rates in general. Secondly, the species' abundance may vary dramatically between sites such that 

sites with lower rates of detection represent marginal habitat in the framework of a source-sink 

population model (Pulliam 1988). Thirdly, the species may occur at low abundance levels (even 

in suitable habitat) and the detection probability increases the closer a trap array is to the centre 

of the few individuals' activity areas. Testing of these hypotheses falls outside of the scope of my 

analysis, but is certainly relevant to the management and conservation of the species within SNR. 

The results of my analysis highlight several important issues for studies of reptile site occupancy. 

The first is that difficulty in detecting a species has direct consequences for our understanding of 

the impacts of site-level factors on its occurrence and, thus, its ecology. The number of trap visits 

required to infer the absence of a species increases as the detection probability decreases (Kery 

2002), which adds both time and cost to a survey. As the duration of sampling increases, the 

likelihood that model assumptions may be violated increases e.g. population closure (Kery & 

Schaub 2011). In certain cases, the interpretation of model parameters can be adjusted to 

accommodate these violations (see Royle & Dorazio 2008 and Kery & Schaub 2011), yet these 

adjustments may also invalidate the purpose of an investigation. For example in this study, Phase 

1 of sampling spanned approximately five months. The interpretation of site occupancy could be 

modified from 'permanent site occupancy during the sampling period' (residency) to the 'use of 

the site at some point during the sampling period' (use). For some of the larger bodied snake 

species e.g. P. can a, the latter interpretation may be more accurate as individuals may display 
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low site fidelity if the site represents a sub-unit within the individual's broader area of 

occupancy. The same issue must be considered for Phase 2, which despite being shorter in 

duration, still presents the opportunity for species to make use of the site and then emigrate 

(temporarily or otherwise) from it. The short-term use of a site that was modified during 

treatment might result in detection and the assumption of site occupancy, when in fact the site's 

habitat characteristics may be detrimental to permanent site occupancy. The dynamics of 

temporary emigration can be compensated for using model extensions such as demonstrated by 

Kery et al. (2009), yet with the low number of detections in this survey there is limited 

information available to model trends in availability for detection through time. 

In this study, the 'use' interpretation of site occupancy would result in challenges for management 

of fire within SNR. The areas of habitat affected by the treatments in this survey were smaller 

than the areas typically burnt by fires (natural or controlled) in SNR. Impacts of fire on species 

might reasonably be expected to increase with the size of the area burnt, as emigration from 

affected sites may not be possible when fires bum large swathes of grassland. Building on the 

work of this survey and the baseline data of reptile site occupancy that has developed over the 

course of repeated surveys (i.e. Masterson, Maritz & Alexander 2008; Masterson et al. 2009; 

Koen & du Toit 2007; Chapter 3 & Chapter 6), future surveys should sample sites under more 

natural disturbance conditions e.g. wildfires, heavy grazing and controlled management bums. 

Trap placement might also be modified to tackle specific questions about species movement or to 

improve trapping efficacy i.e. placing multiple trap arrays across a burnt area. Importantly, the 

marking of individuals of all species could be considered to establish local population sizes, 

thereby addressing issues of the equivalence of individual and species detection probability for 

rare or wide-ranging species e.g. H haemachatus. Some of these suggestions may be mutually 

exclusive so the trade-offs between resources and study objectives will need to be carefully 

considered (see Mackenzie & Royle 2005). 

The second issue is that impacts of site-level factors are unlikely to affect the site occupancy of 

abundant species except in very extreme cases. Locally abundant species tend to be more 

widespread (Gaston & Lawton 1990), which buffers the species from impacts of habitat in two 

ways. Firstly, a greater number of individuals must be negatively affected by habitat 

modification in each instance i.e. either through direct mortality or through increased attrition in 
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the new habitat. Logically, if the probability of death associated with a disturbance is equal for 

all individuals, then extinction probability decreases as the number of individuals present at a site 

increases (Mackenzie et al. 2006). Secondly, recolonisation of the site following a disturbance is 

more likely ifthere are large populations in the surrounding habitat i.e. the rescue effect (Brown 

& Kodric-Brown 1977). With reference to the management of SNR's abundant and widespread 

reptile species, small-scale disturbances that affect localised areas for short periods of time are 

highly unlikely to compromise the species persistence within the total protected area. Species 

that are not widespread e.g. A. a. distanti merit greater consideration in management scenarios, 

as they may be highly impacted by localised disturbance, with a reduced likelihood of site 

recolonisation in the event of local extirpation (Mackenzie et at. 2006). 

The third issue is one of model selection. In this chapter I have used a Markovian process of 

occupancy dynamics when modelling changes in site occupancy between the two primary 

sampling periods. For abundant species displaying high site fidelity, a site's occupancy status 

will be determined by occupancy in the previous sampling period and the species' dynamics i.e. 

survival and colonisation, thus the Markovian process of occupancy is reasonable. However, for 

species with low abundance or low site fidelity, the occupancy of a site may be more adequately 

described by a random process, with no relation to occupancy in previous sampling periods. 

While this observation relates to the scale at which sampling is conducted, there are implications 

for the analysis of the data. The model construction and parameters relevant to the occupancy of 

a site would vary between the Markovian or random processes (Mackenzie et al. 2006). The 

model used for analysis represents our attempt to make sense of the data we observe, so a naive 

model represents a naive attempt to explain the data (see Kery 2010). Estimates of population 

size e.g. via mark-recapture would provide the ancillary information for changes in model 

construction and analysis across different species. An alternative is to exploit the link between 

abundance and detection (Royle & Nichols 2003; McCarthy et al. 2013) in order to explore 

patterns of abundance under various assumptions regarding the detection probability of 

individuals. The need to develop successful models of the detection process is applicable to all 

sampling methodologies given the logistical challenge that the sampling of reptiles in field 

studies presents (Gardner, Barlow & Peres 2007). 
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As an example, the estimated effects of grass cover and grass height on the detection probability 

of T capensis (Table 4.4) predict that the species is less trappable in areas with low grass height 

and little grass cover. While there may be many reasons for this the consequence is that more 

effort must be invested to trap T capensis individuals at these types of sites. Thus, while the site 

occupancy of the species was not affected by the site treatments, our ability to confirm the 

species' presence was reduced at the burnt sites in Phase 2. The caveat to this result is that it is 

based on a sample size of four treated sites. Consequently, one anomalous site has a 

disproportionate influence on model-based conclusions. Unfortunately, I could not have sampled 

additional sites as I was constrained by the availability of similar sites within SNR, and time (to 

check and maintain traps on a near daily basis). Nevertheless, this result is encouraging in that it 

suggests that an experimental approach to studying habitat modification, even though small, can 

detect species responses to the changes. 

In summary, the results of this analysis indicate that, for the reptile species analysed, the 

treatment of grassland sites in SNR had no detectable impact on a site's occupancy status. For the 

readily detected species such as G. flavigularis and T capensis, the conclusion of no adverse 

impact on occupancy has high confidence. For species less readily detected, the finding of no 

impact must be interpreted with the caveat that it is based on less information than we would 

ideally like. Importantly, the observed increases in detection probability from Phase 1 to Phase 2 

complicate the detection of changes in site occupancy between phases. The survey was designed 

with the aim of detecting the majority of species that occupied each site prior to treatment, and 

then confirming these species' presence or absence in the subsequent sampling period. The data 

presented here (and in Chapter 3) show this to be a very ambitious objective when using passive 

trapping alone. The consequence for this analysis was that 10 of the 20 species detected in Phase 

1 were not analysed here because there is essentially no information available to modify any 

prior expectations we might have. These rare species may well be rare because of negative 

impacts of current management activities, but unfortunately this can neither be confirmed nor 

denied using this survey's data. Nevertheless, this survey's data can be incorporated into future 

attempts to tackle species-specific questions about distribution e.g. A. a. distanti. 
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CHAPTERS 

The Effects of Vegetation Restoration on Reptile 

Assemblages 

Reptile responses to habitat modification are both poorly understood and difficult to evaluate 

given the fact that habitat changes may make species that are already cryptic even more difficult 

to detect. Previous research in Suikerbosrand Nature Reserve (SNR) has indicated that previously 

cultivated areas of grassland support fewer reptile species than unmodified habitats. Hypotheses 

for the observed differences include 1) the consequence of changes to the vegetation and 2) the 

loss of microhabitats associated with the removal of rocks from areas that are ploughed. Between 

2005 and 2009, the management of SNR invested in a vegetation restoration programme in 

previously cultivated areas of the reserve's grassland. In 2009, I surveyed reptiles at nine sites 

across three habitats i.e. pristine or unmodified grassland; previously cultivated areas that were 

treated during the restoration programme (treated sites); and previously cultivated areas that were 

not treated during the restoration programme (untreated sites). Sites were surveyed for 110 days 

between 18 November 2009 and 26 March 2010. As with previous work in the northern 

grasslands of SNR, I detected a greater number of species at each of the three sites in pristine 

grassland during the survey than in the corresponding treated and untreated sites. I analysed these 

detection/non-detection data using a hierarchical site-occupancy model that separates the 

ecological process of site occupancy from the observation process, which depends upon the 

strengths and weaknesses of the chosen sampling method. I also extended the model to allow me 

to estimate the species richness of the reptile assemblage at each site and in total. The model 

results suggested that the greater number of species detected in pristine grassland was not a 

function of differences in the site occupancy of the three habitats, but was a function of the 

generally low detection probabilities of most reptile species. Model estimates of site species 

richness indicated that the nine sites supported a similar number of reptile species and that 

additional sampling is required to increase sampling efficacy at the site level. Estimates of the 

total species richness of the assemblage indicated that the sampling was able to detect the 

majority of species present in the study area during the survey. Thus while the survey appears to 

have been effective for providing a broad description of the reptile assemblage in the grasslands 

of SNR, there remain several challenges at the site level of analysis. The low detection 
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probability of the reptile species at SNR, which is a combination of their stealthy movements, 

periods of inactivity and site-level variation in abundance, is currently the greatest obstacle to the 

rapid assessment of reptile richness at multiple sites. The consequent challenge is to develop an 

observation model that allows for the effects of reptile-specific factors to be evaluated. 

Recommendations for such improvements are discussed. 

5.1. Introduction 

The effects of habitat change on reptile assemblages are generally poorly understood and in need 

of greater attention due to the increasing global rate of anthropogenic habitat transformation 

(Gardner, Barlow & Peres 2007; Ellis et al. 2010; Klein Goldewijk et al. 2011). Reptiles are a 

highly diverse taxon and the response to habitat change differs between species (Meik et al. 2002; 

Castellano & Valone 2006; Masterson et al. 2009). At a landscape scale (> 10 km2), the 

occurrence of reptile species has been linked to the presence and abundance of different habitat 

patches (Atauri & de Lucio 2001; Michael, Cunningham & Lindenmayer 2008), the distances 

between patches of suitable habitat or fragmentation (Atauri & de Lucio 2001; Fischer et al. 

2005; Kanowski et al. 2006; Michael, Cunningham & Lindenmayer 2008), and types of 

management (Fabricius, Burger & Hockey 2003). At the patch or site scale « 2 km2), occupancy 

is influenced by factors such as habitat structure and complexity (East, East & Daugherty 1995; 

Galan 1997; Webb & Whiting 2005; Webb, Shine & Pringle 2005; Castellano & Valone 2006; 

Attum & Eason 2009), vegetation type, grazing regimes (Fabricius, Burger & Hockey 2003), 

aspect, the presence of refugia (Marquez-Ferrando et al. 2009) and invertebrate abundance 

(Fischer, Lindenmayer & Cowling 2004). The interaction of landscape and site characteristics 

with individual species responses can play an important role in the composition of reptile 

assemblages across different sites (Fischer et al. 2005). The response of a few species may be so 

large that they 'overwhelm' the responses of the other species in the assemblage (Castellano & 

Valone 2006), while some species in the assemblage may display no response at all (Fabricius, 

Burger & Hockey 2003; Masterson et al. 2009). Variation in the response of individual species to 

land-use change or management introduces subtle changes across landscapes that may be hard to 

detect or may complicate the description of general patterns. From a conservation manager's 

perspective, the general pattern will be of greater importance than the specifics of individual 
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responses, unless there are species of special concern in the assemblage such as threatened or 

endemic species. 

The modification of grassland for cultivation has had a negative impact on the diversity of 

reptiles in the grasslands of SNR (Masterson et al. 2009). In a 2005/2006 survey, Masterson et al. 

(2009) found that reptile assemblages in historically cultivated areas were depauperate when 

compared with untransformed grassland, and that the relative abundance of widespread, common 

reptile species also differed between habitat types. Species such as Trachylepis capensis 

exhibited no obvious response to the modification of habitat associated with cultivation, while 

other species such as Gerrhosaurus jlavigularis and Nucras lalandii appeared to be quite 

sensitive, with notably fewer individuals captured in the modified areas (Masterson et al. 2009). 

Masterson et al. (2009) argued that the loss of primary vegetation and/or the transformation of 

habitat structure via rock removal might be the causes of the reduced species richness in 

historically cultivated areas. 

In 2005, the management of Suikerbosrand Nature Reserve initiated a restoration programme 

aimed at improving the composition and cover of the vegetation communities in historically 

cultivated areas (old lands) and reducing the predominance of weedy species. The primary 

objectives ofthe programme were (1) to hasten the re-establishment of naturally-occurring grass 

species in the old lands, (2) to increase basal and ground cover to reduce soil erosion, (3) to limit 

the production and competitiveness of invasive weeds on the old lands and (4) to stimulate a 

natural increase in the biodiversity of the old lands (du Toit & Koen 2006). During 2005 and 

2006, selected old lands were either slashed and seeded, or disked i.e. ploughed with a disk 

harrow, and seeded with a standardised seed mix (see Methods section for details). Follow-up 

monitoring of the vegetation at seeded and unseeded old lands in 2006, 2007 and 2008 indicates 

that there has been an increase in the overall species diversity and soil cover of the seeded old 

lands i.e. objectives (1) and (2) were met (du Toit & Koen 2006; du Toit & Koen 2007; du Toit & 

Koen 2008). The monitoring also found that positive changes in the composition and cover of the 

vegetation proceed more rapidly in the disked and seeded plots as compared with the slashed and 

seeded plots (du Toit & Koen 2008). 
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The restoration programme offered the opportunity to evaluate the effects of vegetation 

restoration on the richness and composition of the reptile assemblages in the northern grasslands 

of Suikerbosrand Nature Reserve. During the summer of 2009-20 1 0, I surveyed reptiles in the 

treated and untreated old lands of Suikerbosrand Nature Reserve. My survey aimed to assess 

whether or not reptile assemblages benefit from management attempts to restore natural 

vegetation in previously disturbed areas. The survey also aimed to provide information 

pertaining to objective (4) above. Firstly, there is limited, published research regarding the 

structure of reptile assemblages in natural and disturbed habitats. Secondly, the Grassland Biome 

is already highly transformed, which means that natural and semi-natural habitats, as found at 

Suikerbosrand Nature Reserve, are valuable sites for baseline research. Thirdly, the funding for 

the restoration programme was withdrawn in 2009, which means that the 'restored' grasslands 

may revert to their pre-treatment condition and that the opportunity to study the effects of these 

efforts on the reptile assemblages may be lost. Lastly, nearly a decade has passed since the 

cessation of commercial agricultural practices at the site, which offers an opportunity to evaluate 

the effects of both time and vegetation restoration on reptile assemblage recovery. 

5.2. Methods 

Between 18 November 2009 and 26 March 2010, I trapped reptiles at nine sites in three habitat 

types, which I qualitatively defined according to their site history (Table 1; Fig. 1). The three 

habitat types surveyed were (1) pristine grassland: sites which have not, according to available 

information, ever been ploughed for cultivation (equivalent to the 'pristine' sites sampled in 

Masterson et al. 2009), (2) treated old lands: old lands which were disked and seeded using a 

seed mix recommended by Fritz van Oudtshoorn (University of South Africa) and (3) untreated 

old lands: old lands which were not disked and seeded during vegetation restoration efforts but 

were left to recover unaided. All traps arrays in old lands were located more than 100 m from the 

edge of the boundary of the old land. According to data in the Ecological Filing System of 

Suikerbosrand Nature Reserve, sites 2U and 3U were last ploughed in the spring of2001, while 

the data available for site 1 U indicates that it was last ploughed prior to 2000 (exact year 

unknown). In the years since these lands were last ploughed, there has been no direct 

manipulation of the vegetation characteristics at these three sites but the sites have been burnt 
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Table 5.1: Locality details for the nine trap arrays used to survey reptiles between 18 November 2009 and 26 March 

2010. Old Land ID identifies the old land in which the trap array was placed and is based on the names as they relate 

to the electronic filing system of Suikerbosrand Nature Reserve. Latitude and longitude are in decimal degrees. 

Site ID Old Land ID Habitat Type Latitude Longitude 

IP Pristine Grassland -26.461950 28.232505 

IT Land 15E Treated Old Land -26.457628 28.236904 

1U Land 14 Untreated Old Land -26.450844 28.23514 

2P Pristine Grassland -26.465747 28.243173 

2T Land 21 Treated Old Land -26.468084 28.237131 

2U Land 20 Untreated Old Land -26.472766 28.24201 

3P Pristine Grassland -26.463468 28.270874 

3T Land CI9 Treated Old Land -26.464701 28.27459 

3U Land C33 Untreated Old Land -26.469874 28.270564 

during management and accidental fires. Site 3T was treated in the spring of 2005, while sites 1 T 

and 2T were treated in the spring of2006. All treated old lands were seeded with a 13 kg.ha- 1 

seed mix that consisted of, in decreasing kg.ha- I
, Themeda triandra, Heteropogon contortus, 

Chloris virgata, Cymbopogon excavatus, Melinis repens, and eight other grass species with less 

than 1 kg of seed per ha. 

Trap arrays were grouped into three spatial clusters with one array in each habitat type per 

cluster (Fig. 5.1). Trap clusters were 2935 ± 1128 m apart (mean ± 1 SD; min = 1721 m, max = 

3951 m) apart, while trap arrays within clusters were 739 ± 225 m apart (mean ± 1 SD; min = 

398 m, max = 1257 m). Trap arrays consisted offour drift fences, five pitfall traps and eight 

funnel traps arranged in a closed-cross formation (as per Masterson et al., 2009). Drift fences 

were constructed using three 3.5 m segments of Nutec ceiling board (Eve rite Pty (Ltd)) buried 5 

to 1 0 cm into the soil and held upright using fence poles hammered into the ground. Traps were 

opened on 18 November 2009 and checked once daily until 26 March 2010, excluding a two 

week period from 2'7 December 2009 to 11 January 2010, during which the traps were closed. 
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All reptiles captured during the survey were identified to species level, except in the case of the 

Leptotyphlopidae (Thread Snakes) where the confidence of species level identifications is 

limited by the poor taxonomic resolution in the genus Leptotyphlops (Adalsteinsson et al. 2009). 

There are potentially three species (and four taxa) of Leptotyphlops occurring in Suikerbosrand 

Nature Reserve i.e. L. scutifrons scutifrons, L. s. conjuctus, L. incognitus, and L. distanti (Bates 

et al. 2014). Due to issues with unresolved taxonomy and difficulties identifying species within 

the genus (Adalsteinsson et al. 2009), I treated all captured Leptotyphlops individuals as 

members of a single unspecified species. Consequently, the distribution of Leptotyphlops species 

in SNR will need to be re-investigated when the delineation of species is complete and the 

taxonomic issues have been resolved. I clipped one toe of every Agama aculeata distanti, 

Gerrhosaurus flavigularis, Nucras lalandii, Trachylepis capensis and T varia individual I 

captured to identify recaptures in these frequently captured or important lizard species. All 

species were marked with the same toe-clip code as no individuals of these species have been 

observed to disperse between trap arrays further than 200 m apart in a single season (Masterson 

et al. 2009). 

To estimate and compare the site occupancy of reptile species in SNR, I used a hierarchical linear 

model known as a multispecies, multisite occupancy model. The model was described by 

Dorazio & Royle (2005) and subsequently demonstrated by various authors (e.g. Dorazio et al. 

2006; Royle, Dorazio & Link 2007; Kery & Royle 2008). The model is structured as a coupled, 

two-process model with a Bernoulli process describing the probability that a site is occupied by a 

species (typically referred to as the "ecological process model") and a logistic process describing 

the probability that a species is detected during sampling (typically called the "observation 

process model"). Structuring the model in this way facilitates an explicit ecological interpretation 

of the model parameters. Detection probability relates to the power of the sampling method and 

allows discrimination between detection/non-detection (what the data represent) and the 

presence/absence of a species at a site (what I am attempting to observe for my evaluation of 

habitat suitability). The occurrence probability of a species is then estimated by combining the 

number of sites at which the species is detected and the detection probability of the species. 

Species with a very low detection probability at sites at which they are detected are still likely to 

occur at sites where they are not detected i.e. we have limited certainty regarding their presence 

or absence. Species with a very high detection probability are most likely to be absent from sites 
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Fig. 5.1: Map showing the location and habitat type of the nine trap arrays used to survey reptiles 

between 18 November 2009 and 26 March 2010. Numbers indicate the cluster ID and the resulting 

site names in Table 5.1 e.g. I P, 2T, 3 U etc. The location of Suikerbosrand Nature Reserve in Gauteng, 

South Africa is shown (inset). 

at which they are not detected. There are several useful features and extensions of the 

multi species multisite occupancy model. These include (1) estimating the presence or absence of 

species at a site, (2) estimating site occupancy probabilities in relation to site characteristics, (3) 

implementing any of the classic model forms of Otis et al. (1978), (4) estimating site-specific or 

total species richness and/or (5) estimating species turnover and accumulation with increasing 

area of sampling (Kery 2002; Dorazio et al. 2006; Kery & Royle 2008). 

To estimate species richness, hyperparameters (random effects) for the mean and standard 

deviation of the occurrence and detection probabilities for all species detected are included as a 
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hierarchical component in the model. The hyperparameters allow us to extrapolate from our data 

to a larger set of species, which is of unknown size and of which the species actually detected are 

but a part (Kery & Royle 2008). To make this extrapolation possible, the data are augmented by 

including a large, but finite, number of species with all-zero detection histories or 'hypospecies' 

(Royle, Dorazio & Link 2007). Hypospecies are those species which were theoretically present 

at the sites sampled, but which were never detected during sampling (Royle, Dorazio & Link 

2007). To account for the uncertainty as to the number of hypospecies that were exposed to 

sampling but not detected, a latent indicator variable w is included in the model. In practice, the 

probability that a particular hypo species occurs at a site is drawn from the estimated mean and 

standard deviation of the random effect of the occurrence probability of the greater reptile 

assemblage. The binary estimate of whether the hypospecies is present or absent at a site is then 

the result of a Bernoulli trial with this random draw as its success probability. The number of 

detections of a species can then be conditioned on the indicator variable w such that a species 

that is not present at the site cannot be detected (Royle, Dorazio & Link 2007). This method of 

reducing the problem of estimating the total number of species present or N, to that of estimating 

the distribution of the latent indicator variable w has been justified by Dorazio et al. (2006) and 

Royle, Dorazio & Link (2007), and results in a model that is readily implemented using Gibbs 

samplers such as WinBUGS (Lunn et al. 2000). 

Using the multi species, multisite occupancy model, I tested the effect of habitat condition on the 

occupancy and detection probability of reptile species in the open grasslands of Suikerbosrand 

Nature Reserve. I used WinBUGS 1.4 (Lunn et al. 2000) to implement a Bayesian form of the 

model using Gibbs sampling and Markov-chain Monte Carlo methods. Posterior distributions for 

the model parameters were calculated from three Markov chains of 15 000 draws, discarding the 

first 5000 draws as burn-in and thinning by one. The 'burn-in' period of the Markov chain is 

caused by the fact that an initial value must be specified for each chain in the model run. The 

initial value may not lie within the posterior distribution of the parameter and thus we say the 

chain 'converges' on the posterior distribution, and we must therefore discard the values that are 

generated prior to convergence. Where multiple Markov chains are used, chain convergence can 

be visually assessed in a time-series of estimated parameter values. At convergence, the chains 

oscillate around a mean and overlap with one another. I thinned by one as model tests indicated 

chain convergence to have occurred by 5 000 draws. Thinning of the Markov chains is typically 
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used to reduce the autocorrelation of the values generated at each iteration of the chain i.e. to 

acquire more concentrated information per saved estimate (Kery 2010), however discarding 

draws from the posterior distribution after the chains have converged only has the effect of 

increasing model run times while discarding useful estimates of parameter values from their 

posterior distributions. Consequently, all parameter estimates were calculated from 30 000 

samples of their posterior distribution. 

The use of prior distributions in a Bayesian analysis allows one to include prior information in an 

analysis of a dataset. Vague priors are used when we wish to conduct an objective Bayesian 

analysis i.e. we pretend to have no prior information or wish to make no assumption about the 

distribution of a model's parameters (Link & Barker 20 I 0). As model complexity increases, such 

as in the inclusion of hierarchies, it becomes relatively simple to accidentally introduce 

information into the analysis through the improper specification of prior distributions (Kery 

2010). The consequence of introducing information via the prior distributions is that model 

estimates are no longer based on the information in the data alone, and the inference of the model 

is compromised (Kery 2010). This phenomenon is called prior sensitivity and should be tested 

for using various appropriate prior specifications (Link & Barker 2010). Models that return 

similar estimates as the priors vary indicate insensitivity to the priors used and are desirable in an 

objective Bayesian analysis. I performed a test of prior sensitivity in the structural parameters of 

the model, i.e. the effect of habitat condition on both detection and occurrence probabilities. 

Model estimates generated using logistic-normal or uniform priors for the effects were 

indistinguishable so here I show only those estimates generated under the logistic-normal priors 

for the effect of habitat condition. 

From the model-based estimates of the parameters, I derived a posterior distribution of the 

estimated total number of reptile species that occur at each of the nine sites (Kery & Royle 2008). 

The strength of the Bayesian framework for this analysis is that the full uncertainty associated 

with each parameter estimate is propagated through to the estimates of species richness (Dorazio 

et al. 2006; Royle & Dorazio 2008). As a measure of 'sample completeness', I divided the 

number of species detected by the number of species estimated to occur at each site. Sample 

completeness facilitates a rapid assessment ofthe estimated success of the sampling at each site. 

For example, a samF>le completeness of 50% indicates that half of the species estimated to occur 
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at a site were detected during sampling. Next, I estimated the total species richness of the reptile 

community in the grasslands of the survey area. Lastly, I used the posterior distribution of the 

hyperparameter for occurrence probability to estimate the accumulation of reptile species with 

increasing numbers of sites surveyed (as per Dorazio et al. 2006). Species-accumulation curves 

derived from hierarchical models of detection and occurrence differ from the curves generated 

empirically by randomised resampling of the dataset or interpolation (Gotelli & Colwell 2001) in 

that they do not depend on which sites are considered and can better account for the uncertainty 

regarding species richness and species occurrence at each site (Dorazio et al. 2006). I was 

interested in estimating the number of additional species that would have been exposed to 

sampling by increasing the number of locations sampled to 30. 

There are a number of key assumptions implicit in the multispecies, multisite occupancy model. 

The first is that the 'population' of species present (N) at each site is closed during the survey 

period. The second assumption is that the heterogeneity in species detection and occurrence 

probability is suitably described by a normal distribution on the logit scale. In addition to these 

two assumptions, the model demonstrated by Kery & Royle (2008) assumed that species identity 

is the sole determinant of detection probability i.e. they included no covariates. In this model, I 

explicitly considered the treatment or condition of the habitat and its effect on the detection 

probability and occurrence of each species. Consequently, my model assumes that the only two 

factors influencing occurrence or detection of a species are species identity and site treatment. 

Finally, the model assumes that there are no false positive identifications i.e. that a species can 

only be identified as present if it is indeed present (Royle & Dorazio 2008). 

To evaluate the vegetation characteristics of the nine sites surveyed, I identified the dominant 

grass species at each site using the Braun-Blanquet cover classification. At each of the nine sites, 

I identified each grass species present and estimated its ground cover within a lOx 10m quadrat 

(100 m2 releve). For ease of presentation, I report only the 'dominant' grass species for each site 

i.e. species that covered more than 5% of the quadrat'S surface area. Using Van Wyk & Malan 

(1998), I categorised the dominant species according to the condition of habitat in which they 

dominate i.e. climax/sub-climax grassland or disturbed areas, or according to their status as 

pioneer or alien species. 
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5.3. Results 

In 110 days of trapping between 18 November 2009 and 26 March 2010, I detected a total of 620 

reptiles, comprising 22 species, at the nine sites (Table 5.2). This amounts to an average of 5.64 

detections per day, or 0.63 detections per trap array day. A combined total of 373 detections 

(60.16%) were the two common lizard species i.e. T capensis (239) and G. flavigularis (134; 

Table 5.2). The mean number of detections for each of the other 20 reptile species was 12.35 ± 

12.85 (mean ± 1 SD) detections during the study period (Table 5.2). A total of 15, 16, and 20 

reptile species were detected at sites in the untreated old lands, the treated old lands and the 

pristine grassland respectively. Fig. 5.2 is a summary of the total number of sites at which each 

of the 22 species was detected during the survey period. Six species were detected at just one site 

during the survey; five species were detected at all nine sites; and four species were detected at 

six sites (Fig. 5.2). Eleven of the 22 species were detected at six or more sites (Fig. 5.2). Four of 

the six species detected at just one site were also detected only once at these sites (Table 5.2) i.e. 

Aparallactus capensis (site 3P), Boaedon capensis (site 2P), Lycodonomorphus inornatus (site 

1 T), and Duberria lutrix (site 2U). Afroablepharus wahlbergii was detected twice at site 1 P, and 

Crotaphopeltis hotamboeia was detected on four occasions at site IP (Table 5.2). The five 

species detected at all nine sites were (by descending number of detections) T capensis and G. 

flavigularis, Psammophylax rhombeatus, Dasypeltis scabra, and Causus rhombeatus. Nucras 

lalandii, A. wahlbergii and C. hotamboeia were detected multiple times but only at sites in 

pristine grassland (Table 5.2). Thread Snakes (Leptotyphlops sp.) were detected on a single 

occasion at a single site in each of the three habitat types i.e. sites 2P, 3T, and 3U (Table 5.2). 

A density plot of the posterior distribution for the distribution of occurrence probabilities in the 

reptile assemblage indicates a bimodal distribution, where the majority of species have a high 

probability of occurrence and the rest have a very low probability of occurrence (Fig. 5.3A). 

There was no evidence of an effect of habitat type on the probability of occurrence for any of the 

22 species detected during the survey. Model estimates of detection probability for the reptile 

assemblage indicated that the vast majority of reptile species have a very low detection 

probability (Fig. 5.3B). The model therefore predicts that the majority of detection failures at any 

given site are the result of the low detection probability and not low rates of occurrence. This is a 
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natural consequence of the model assumptions about population closure, which may be violated 

e.g. by temporary emigration. Species-specific estimates of detection probability in the three 

habitats were broadly similar, and typically quite low i.e. less than 0.01 per day of trapping 

(Table 5.3). Model estimates of the effect of habitat type on detection probability were 

significantly different for three species i.e. G.flavigularis, T. capensis and L. aurora (Table 5.3). 

Gerrhosaurus flavigularis is significantly more likely to be detected in pristine grassland than in 

either the treated or untreated old lands. By contrast, T. capensis is significantly less likely to be 

detected in pristine grassland than in either the treated or untreated old lands. Lamprophis aurora 

is significantly less likely to be detected in treated old lands than in pristine grassland. Estimates 

of species-specific occurrence probability were typically high i.e. > 0.70, and varied non

significantly between the three habitat types for all species (Table 5.3). 

Estimates of site species richness for each of the sites I surveyed are shown in Table 5.4. There 

was no significant difference in the estimated species richness of the nine sites, although the 

mean estimated species richness of the sites in pristine grasslands was one or two species higher 

than the mean estimated richness ofthe 'disturbed' sites in their respective clusters (Table 5.4). 

The sample completeness of the sites surveyed ranged from 50 - 70% (Table 5.4), indicating that 

significantly more effort is required in order to detect all reptile species estimated to occur at a 

single site. The posterior-predictive distribution of species richness at each site provided little or 

no support for any assertion that the number of species detected at each site during sampling is a 

good estimate of the site's species richness (e.g. Fig. 5.4). The mean total species richness for the 

reptile assemblage in the northern grasslands of SNR was estimated at 27.5 species with a 95% 

credible interval of22 - 35 species. The posterior distribution of total species richness is left

skewed such that the posterior probability for a total species richness of 22 species is 0.051, the 

posterior probability for a richness of 27 species is 0.108, and the posterior probability for a 

richness of35 species is 0.015 (Fig. 5.5). According to the posterior probabilities, a total species 

richness of 27 species is 2.11 times more likely than a richness of 22 species, while it is 3.4 times 

more likely that the species richness is 22 species rather than 35 species. The predicted 

accumulation of species in samples of 1-30 sites did not reach the asymptotic richness of 27.5 

species despite the fact that 30 sites is more than triple the number of sites I actually surveyed 

(Fig. 5.6). This result simultaneously indicates the model's prediction that the majority of species 

in the reptile assemblage occur at nearly every site in the grasslands, but also that the species 
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Fig. 5.2: Summary of the number of sites at which various reptile species were captured during 

trapping between 18 November 2009 and 26 March 2010. Six species were recorded at only one site, 

whilst five species were recorded at all nine sites. 

with low rates of occurrence (Fig. 5.3A) may not be exposed to sampling even with a significant 

increase in the number of sites sampled. 

Vegetation characteristics of the three habitat types ranged from 'poor' in the untreated old lands 

to 'good' in the pristine grassland (Table 5.5). Pristine grassland sites were dominated by 

Themeda triandra, Setaria nigrirostris, Eragrostis chloromelas and Brachiaria serata, which are 

all climax or sub-climax species that are indicative of grassland that is in good condition (Van 

Wyk & Malan 1998). Untreated old lands were predominantly covered by Hyparrhenia hirta, 

Eragrostis curvula and Aristida congesta, which tend to dominate in highly disturbed grassland 

(Van Wyk & Malan 1998). Treated old lands were covered by a mix of climax species e.g. T. 

triandra, pioneer species e.g. Pogonarthria squarrosa, disturbance-favouring species e.g. H 

hirta and alien invasive species e.g. Paspalum dilatatum (Van Wyk & Malan 1998). In summary, 
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Fig. 5.3: Distributions of probabilities of (A) occurrence and (8) detection ofthe reptile assemblage in 

the northern grasslands of Sui kerb os rand Nature Reserve as per estimates of model parameters. 

1.0 

the treated old lands show signs of improving vegetation condition but the presence of pioneer 

and disturbance-favouring species indicate that the legacy of disturbance (including the 

disturbance associated with the disking and seeding of the sites during restoration treatments) 

persists. From a habitat condition point of view, the treated old lands are intermediate in terms of 

ground cover and species composition. 
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Table 5.2: A summary of the total and site-specific number of detections of the 22 reptile species recorded between 

18 November 2009 and 26 March 2010. Sites names are as per Table 5.1 and are grouped by habitat type i.e. pristine 

grassland, treated old lands and untreated old lands. 

Family Species No. of Detections Per Site 

detections IP 2P 3P IT 2T 3T tU 2U 3U 

Lizards 

Agamidae 

Agama aculeata distanti 17 0 0 0 0 2 0 13 

Gerrhosauridae 

Gerrhosaurus jlavigularis 134 27 42 8 10 13 8 4 18 4 

Lacertidae 

Nucras lalandii 3 0 2 0 0 0 0 0 0 

Scincidae 

AJroablepharus wahlbergii 2 2 0 0 0 0 0 0 0 0 

Trachylepis capensis 239 16 29 19 33 29 23 33 40 17 

Trachylepis varia 10 0 0 2 3 2 2 0 0 

Snakes 

Leptotyphlopidae 

Leptotyphlops sp. 3 0 0 0 0 0 0 

Typhlopidae 

AJrotyphlops bibronii 3 0 0 0 0 0 0 

Lamprophiidae 

Aparallactus capensis 0 0 1 0 0 0 0 0 0 

Boaedon capensis 0 0 0 0 0 0 0 0 

Duberria I. lutrix 0 0 0 0 0 0 0 0 

Lamprophis aurora 16 7 0 0 2 2 2 

Lycodonomorphus inornatus 0 0 0 0 0 0 0 0 

Lycophidion c. capense 15 2 5 1 0 0 3 0 3 

Psammophis crucifer 19 4 3 2 4 0 0 3 0 3 

Psammophylax r. rhombeatus 45 3 8 4 7 5 8 6 2 2 

Pseudaspis can a 7 0 0 0 2 

Colubridae 

Crotaphopeltis hotamboeia 4 4 0 0 0 0 0 0 0 0 

Dasypeltis scabra 40 2 6 8 3 4 5 10 

Elapidae 

Hemachatus haemachatus 19 3 3 0 4 3 0 4 

Viperidae 

Bitis a. arietans 14 3 0 2 3 0 4 0 

Causus rhombeatus 26 4 3 2 2 5 4 2 2 2 

All sl2ecies 620 73 109 54 69 63 57 63 72 60 
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Table 5.3: A summary of the model-estimated means for occurrence and detection probability for each reptile 

species recorded between 18 November 2009 and 26 March 2010. Mean estimates for the pristine grassland (P), 

treated old lands (T) and untreated old lands (U) are given. Estimates with> 95% probability of differing from the 

mean estimate in pristine grasslands are indicated with an asterisk (*). 

Family Species Detection Probabilit~ Occurrence Probabilit~ 

P T U P T U 

Lizards 

Agamidae 

Agama aculeata distanti 0.002 0.006 0.053 0.989 0.999 0.945 

Gerrhosauridae 

Gerrhosaurus flavigularis 0.231 0.092* 0.077* 0.999 0.999 0.999 

Lacertidae 

Nucras lalandii 0.008 0 0 0.988 0.68 0.76 

Scincidae 

AJroablepharus wahlbergii 0.006 0 0 0.941 0.456 0.482 

Trachylepis capensis 0.193 0.255* 0.271 * 0.999 0.999 0.999 

Trachylepis varia 0.005 0.Dl5 0.005 0.994 0.999 0.999 

Snakes 

Leptotyphlopidae 

Leptotyphlops sp. 0.002 0.001 0.001 0.997 0.999 0.999 

Typhlopidae 

AJrotyphlops bibronii 0.005 0.002 0 0.996 0.999 0.949 

Lamprophiidae 

Aparallactus capensis 0.003 0 0 0.975 0.653 0.773 

Boaedon capensis 0.003 0 0 0.979 0.845 0.785 

Duberria I. lutrix 0.001 0 0.001 0.72 0.162 0.999 

Lamprophis aurora 0.026 0.005* 0.013 0.999 0.999 0.999 

Lycodonomorphus inornatus 0.002 0.001 0 0.704 0.999 0.209 

Lycophidion c. capense 0.023 0.011 0.011 0.998 0.999 0.999 

Psammophis crucifer 0.025 0.021 0.018 0.997 0.966 0.999 

Psammophylax r. rhombeatus 0.044 0.058 0.028 0.999 0.999 0.999 

Pseudaspis cana 0.002 0.007 0.006 0.998 0.999 0.999 

Colubridae 

Crotaphopeltis hotamboeia 0.021 0.001 0 0.624 0.054 0.077 

Dasypeltis scabra 0.046 0.022 0.046 0.999 0.999 0.999 

Elapidae 

Hemachatus haemachatus 0.Dl8 0.022 0.016 0.995 0.999 0.999 

Viperidae 

Bitis arietans 0.014 0.011 0.014 0.997 0.999 0.999 

Causus rhombeatus 0.025 0.031 0.016 0.999 0.999 0.999 
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Fig. 5.4: Frequency plot ofthe posterior-predictive distribution of species richness at site 1 P. The 

dashed line indicates the number of species actually detected during sampling i.e. 14. 

Table 5.4: A comparison ofthe number of species detected (Sobs) with the mean number of species estimated to 

occur at each site (Nest) and in total. Sample completeness is the calculated as the percentage of species detected at 

each site relative to the estimated species richness. 

Site ID Sobs Nest ± 1 SE Sam~le Com~leteness {%~ 

IP 14 20.5 ± 1.6 68.3 

IT 11 18.6 ± 1.8 59.1 

IU 12 18.9 ± 1.8 63.5 

2P 12 19.5 ± 1.7 61.5 

2T 9 I7.8±1.9 50.6 

2U 10 17.7±1.9 56.5 

3P 14 19.8 ± 1.6 70.7 

3T 11 18.3 ± 1.8 60.1 

3U 13 18.9±1.8 68.8 

All sites 22 27.5 ± 3.8 80 
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Fig. 5.5: Posterior-predictive distribution oftotal species richness of the reptile assemblage in the 

northern grasslands of Suikerbosrand Nature Reserve. 
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Fig. 5.6: Predicted species accumulation curve for the reptile assemblage in the northern grasslands of 

Suikerbosrand Nature Reserve from 1-30 sample locations. Each point represents the mean estimate 

of the posterior-predictive distribution for the number of sample locations. Error bars indicate 95% 

credible intervals. 
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5.4. Discussion 

Data from my reptile survey indicate that the reptile assemblages in treated and untreated old 

lands are neither depauperate, nor lacking in any of the common reptile species found in pristine 

grassland. Despite detecting more reptile species in pristine grassland than in either the treated or 

untreated old lands, my analyses demonstrate limited statistical support for the hypothesis that 

reptile species richness is greater in pristine grassland than in the treated and untreated old lands. 

Model-based estimates suggest that species richness at sites in pristine grasslands is higher than 

those of the treated or untreated old lands. The model predicts that failures to detect species at 

sites in the treated or untreated old lands are generally the result of low detection probability and 

not the absence of the species. Tests of the effects of habitat type on detection probability found 

significant differences for only three of the 22 reptile species. Gerrhosaurus flavigularis has a 

higher detection probability in the pristine grassland than in either treated or untreated old lands, 

while T capensis displays the opposite trend. There was no evidence of an effect of habitat type 

on species occurrence but the power of these tests was no doubt limited by the low detection 

probability of the majority of reptile species. This is not an illogical outcome of the analysis, as 

Table 5.5: Ground cover and dominant grass species at each of the nine sites surveyed between 18 November 2009 

and 26 March 2010. Dominant grass species were classified according the Braun-Blanquet scale and are shown in 

descending order of dominance per site. 

Habitat Type Site ID 

Pristine grassland IP 

2P 

3P 

Treated old lands IT 

2T 

3T 

Ground Cover (%) 

85 

85 

90 

80 

60 

75 

101 

Dominant Grass Species (> 5% cover) 

Themeda triandra+; Eragrostis chloromelas +; 

Brachiaria serata +; Hyparrhenia hirta * 

Setaria nigrirostris +; Hyparrhenia hirta*; 

Elionurus muticus +; Brachiaria serata + 

Themeda triandra +; Eragrostis curvula *; 

Brachiaria serata+; Hyparrhenia hirta* 

Paspalum dilatatum8
; Hyparrhenia hirta*; 

Eragrostis curvula *; Heteropogon contortus + 

Heteropogon contortus +; Hyparrhenia hirta*; 

Eustachys paspaloides+; Paspalum dilatatum8 

Eragrostis curvula*; Themeda triandra+; 

Heteropogon contortus +; Pogonarthria squarrosaP 



Untreated old lands IU 

2U 

3U 

60 

75 

55 

Hyparrhenia hirta*; Eragrostis curvula*; 

Aristida congesta*; Setaria pallide-fusca* 

Cynodon dactylon*; Hyparrhenia hirta*; 

Aristida congesta*; Heteropogon contortus + 

Eragrostis curvula*; Hyparrhenia hirta*; 

Urochloa mosambicensis *; Aristida congesta * 

+ Species that feature prominently in climax or sub-climax grassland 

* Species that dominate in heavily disturbed grassland and old lands 

P Pioneer species 

• Alien invasive species originally from South America 

species that are very difficult to detect at sites at which they do occur i.e. are detected at least 

once, are likely to go undetected at other sites rather than be truly absent. As the detection 

probability of a species increases the power to discriminate between its non-detection and 

absence increases. My results are a good example of the challenges that arise from a combination 

of the cryptic habits of reptiles and sampling limitations. The positive finding of my survey and 

analysis is that the impacts of low detection probability appear to be most pronounced at the site 

level, but diminish when the focus is shifted to the assemblage as a whole. 

Comparisons of the estimated sample completeness show that overall the survey performed very 

well- detecting 80% of the mean number of reptile species predicted to comprise the total 

assemblage (Table 5.4). Sample completeness at the site level is lower with predictions ranging 

from 50.6 -70.7% for my survey (Table 5.4). Consequently my analysis suggests that it is much 

harder to census the reptile assemblage at a single site than it is to census the broader reptile 

assemblage. This model prediction is supported by the predicted species accumulation curve (Fig. 

5.6). The curve predicts that the sampling of an additional 21 sites will not increase the total 

number of reptile species exposed to sampling to an extent that would merit the increased cost 

and effort. However, if the relationship between sample locations and accumulation holds true 

for each habitat type, then increasing the number of sites in each habitat type might be able to 

overcome the challenges posed by low detection probability. A failure to detect a species at any 

of nine sites in a given habitat type could be sufficient evidence for an effect of habitat type on 

occurrence. This hypothesis could be tested using simulation where the model-estimated 

detection probabilities from this survey are used as the true values for the parameters of the test 

model. 
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The vegetation of pristine grassland sites was dominated by climax, sub-climax and disturbance

favouring species, indicating that these sites are in better floristic condition than the old lands. 

Untreated old lands were, without exception, dominated by grass species that favour frequently 

disturbed sites and are indicative of poorly managed grassland (Van Wyk & Malan 1998). 

Treated old lands exhibited a slight reduction in the dominance of weedy and disturbance

favouring species and slightly greater soil cover than the untreated old lands but cannot be 

considered equivalent to primary grassland in their current state. My vegetation data support 

earlier findings that the restoration efforts are having a positive effect of the condition of the 

vegetation in the treated old lands (du Toit & Koen, 2006; 2007; 2008). However, the 

intermediate nature of the vegetation characteristics in the treated old lands is not supported by 

the data from the reptile survey, as the reptile assemblage at treated old lands is indistinguishable 

from that of the untreated sites. 

The reptile assemblage in the treated old lands is most similar to the reptile of the assemblage of 

the untreated old lands. This is evident from the patterns in the detection probabilities of G. 

flavigularis and T. capensis in the three habitat types (Table 5.3). Gerrhosaurus flavigularis is 

significantly more likely to be detected in pristine grassland than in either the treated or untreated 

old lands. This finding is in line with that of Masterson et al. (2009), who both captured and 

recaptured a greater number of G. flavigularis individuals in the 'unmodified' habitats of their 

2005-2006 survey. The observations for T. capensis were an exception to this general trend 

(Masterson et al. 2009), and this survey has produced a similar result. Trachylepis capensis was 

significantly more likely to be detected in the old lands than in the pristine grassland (Table 5.3). 

The statistical support for the pattern in these two species, coupled with the observations of 

Masterson et al. (2009), suggest that while certain changes in the condition of the vegetation are 

evident, these changes have had no discernible impact on the 'suitability' of the treated old lands 

for either G. flavigularis or T. capensis. 

The concept of habitat suitability is derived from the concept of a niche in ecological theory. A 

niche may be defined as a closed, n-dimensional space in which all conditions suitable for the 

indefinite persistence of a species are met (Hutchinson 1957). The 'suitability' of a habitat is 

determined by the degree of overlap between the conditions of the habitat and the requirements 

of a given species. For the majority of species it is not possible to map the n-dimensional space 
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in which the conditions suitable for their indefinite persistence occur, thus the concept of a niche 

(sensu Hutchinson 1957) remains more of an ecological theory than a measurable quantity. 

However, when considering the suitability of a habitat in light of persistence, it is not just the 

occupancy of a site that is important but also the abundance of the species at the occupied sites. 

Abundance is directly linked to persistence in that the greater the size of the local population, the 

lower the probability of extirpation (Dorazio 2007). Abundance has obvious links to both 

occupancy and detection probability (Royle & Nichols 2003; Mackenzie 2006; Royle 2008; 

McCarthy et al. 20 l3) as a site can only be occupied when a species' abundance is greater than 

zero. Spatial variation in abundance can be expected to lead to spatial variation in detection 

probability (Royle & Nichols 2003; Dorazio 2007; Royle & Dorazio 2008; Kery & Royle 2010) 

in the same way that large groups or clusters of animals are more likely to be detected than small 

clusters e.g. surveys of avifauna or ungulates (Royle 2008). Using the data already collected in 

this survey, I could test the hypothesis that differences in abundance in the three habitats could 

result in the observed differences in the probability of detecting at least one G. flavigularis or T. 

capensis at a site on any day of trapping (see Royle & Nichols 2003). In such an analysis, 

'abundance' would refer to the number of individuals active at a site per day. Greater numbers of 

active individuals at sites in particular habitats are a certain indication of differences in the 

interaction of a species and habitat, and a possible indication of differences in the suitability of 

the habitat for the species concerned (Driscoll et al. 2012). The findings of Masterson et al. 

(2009) and this survey demonstrate consistent patterns in the relationships of G. flavigularis and 

T. capensis with modified and unmodified sites in the grassland of SNR, which could be further 

investigated. 

From a conservation perspective, the similarities and dissimilarities of the reptile assemblages 

found in the three habitat types can be interpreted as either positive or negative depending on the 

management objectives of the reserve and the desired outcomes of the restoration efforts (Block 

et al. 2001). From a pure biodiversity perspective, differences in the relative abundances of 

species in two assemblages represent increased diversity even if the species comprising the 

assemblages are identical. My model suggests that the reptile assemblages in the three habitat 

types contain the same species, but may differ in terms of the abundance of these species. From a 

restoration perspective, the structure of an assemblage can be as important as the species 

comprising it and differences may represent a failure to 'return' the assemblage to the state 
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observed in the reference areas i.e. pristine grassland. One of the major challenges for restoration 

projects is the 'shifting baseline' resulting from changes in the composition of species 

assemblages over time (e.g. Dornelas et al. 2014). With evidence that the composition of 

communities is changing, how does one set goals for a 'restoration' project, particularly in poorly 

sampled areas? The primary objectives of the restoration efforts in SNR aim to restore the 

vegetation communities of old lands to a state similar to that of surrounding, unploughed areas of 

grassland and to increase soil cover in old lands through an increase in the number of climax 

grassland species. The additional objective of stimulating an increase in the biodiversity in the 

treated old lands appears moot from a reptile perspective as the richness of the assemblages is 

equivalent between all three habitat types I surveyed. From the results of my survey, there are no 

indications that attempts to restore the vegetation in the old lands of SNR have led to specific 

changes in the reptile assemblage. Treated old lands support a reptile assemblage that is broadly 

similar to old lands that have been left to recover without assistance over the past 10 years or 

more. 

Masterson et al. (2009) considered the removal of rocks from previously cultivated areas an 

important factor in the differences between the reptile assemblages in the modified and 

unmodified habitat types they surveyed. Their hypothesis is supported by observations that the 

availability of refugia can sustain reptile assemblages in the face of transformation and 

disturbance. Using an experimental design, Marquez-Ferrando et al. (2009) demonstrated the 

negative impacts of refuge removal on reptile richness following a mine-tailing spill in south

western Spain. Natural refuges e.g. logs, were removed during a soil and vegetation restoration 

programme and reptile richness remained low in these areas following the programme's 

completion. The reptile assemblage recovered more rapidly at sites that were provisioned with 

artificial refuges as compared with control sites (Marquez-Ferrando et al. 2009). Michael et al. 

(2008) found that increased rock cover associated with granite inselbergs had a positive effect on 

reptile diversity in agricultural landscapes of south-eastern Australia. Kanowski et al. (2006) 

suggest that the value of restored sites for reptiles can be improved by adding key habitats that 

are not likely to be restored by natural processes. Rocks removed from the old lands of SNR 

during cultivation have been piled at the boundaries of the old lands (Fig. 5.7). The redistribution 

of these rocks may improve the habitat in old lands by providing refugia for reptiles in an 
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otherwise open habitat (see Marquez-Ferrando et al. 2009). An experimental approach to the 

redistribution of the removed rocks could be used to test this hypothesis. 

The cryptic nature of reptiles is one of the most significant challenges restricting an 

understanding of their ecology and their effective conservation. In this study, I calculated that the 

mean of species-specific detection probabilities in the reptile assemblage of the pristine grassland 

is 0.025. Using a single trap array at a site at which an average reptile species occurs, we would 

expect to detect it approximately three times in 100 days (> 3 months) of trapping. Few surveys 

have this sort of duration as the costs of such an exercise are prohibitive. Many of the estimated 

detection probabilities for species in the pristine grassland or old lands are lower than 0.025, 

meaning that these species require even greater sampling effort to determine their presence or 

absence with a high level of certainty. Thus conventional reptile survey methods fall woefully 

short of their stated goals. Unfortunately, the detection probabilities associated with alternate 

sampling methods e.g. active searching or distance sampling are not widely reported in studies of 

reptile assemblages (but see East, East & Daugherty 1995 and Kery 2002). Consequently it is 

difficult to evaluate whether or not alternate methods of sampling reptile assemblages provide 

greater precision in the estimates of species occurrence via improved detection probability. 

Further to the consideration of additional sampling methods, the customisation of the observation 

model when using trap arrays remains to be explored. Specifically trap arrays are passive 

sampling apparatus that rely on the activity of a reptile in order to have non-zero detection 

probabilities during sampling. The observation model specified in this analysis followed the 

form of MacKenzie et al. (2003) and Royle & Kery (2007) in that the observation of the species 

depends upon the latent indicator variable for occurrence. Detections of species in trap arrays can 

only occur if an individual of a species is active near the trap array and creates additional 

ambiguity in the interpretation of zeroes in the detection dataset. The presence of zeroes resulting 

from inactivity will cause estimates of detection probability to be biased low and motivates for 

the further inclusion of a latent indicator variable for the activity of the species during each day 

of trapping. Whether or not the indicator variable for activity is identifiable without additional 

information is not clear but would most likely require a third level of sub-sampling (M. Kery, 

pers. comm.). Such an additional level of sampling could in theory be created by breaking the 

sampling data into the three calendar categories of day, week and month. In such a case, the 

month is the primary sampling period, the week is the secondary sampling period and the day is 
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Fig. 5.7: Evidence of rock removal from areas that were ploughed prior to the acquisition of the 

northern extension to Suikerborand Nature Reserve. The Suikerbosrant plateau for which the reserve 

is named can be seen in the background. 

the tertiary sampling period. The 'activity' of a reptile species in a given week might then be 

estimable. The ecological relevance of the sampling periods would need careful consideration 

but in theory, a reasonable restructuring of the data might allow for improved estimation of the 

true detection probability and consequently greater precision in the estimates of site occupancy 

(McCarthy et al. 2013). 

In conclusion, habitat rehabilitation has, to this point, been only partially successful in re

establishing natural reptile assemblages in SNR. The estimated species richness of sites in the 

three habitat types did not differ significantly due to the uncertainty with which I was able to 

predict the absence of a given reptile species. This lack of certainty is induced by the general 

difficulty associated with detecting species that have a wide range of life history strategies (e.g. 

fossorial or terrestri~l) and where the number of individuals present and active at each site is also 
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certain to play an important role in determining the probability of detection. Despite these 

challenges the combination of an observation model to estimate detection probability with a 

process model for individual species occurrence represents an improvement on previous methods 

of analysing data collected during reptile surveys at SNR i.e. Masterson et al. (2009). The 

coherence of the hierarchical framework for the analysis of ecological datasets does certainly 

highlight the challenges associated with understanding the interactions of cryptic species and the 

environment. The hierarchical framework is also sufficiently flexible to accommodate further 

refinements which can only improve the ecological understanding gained through surveys of this 

type in the future. 
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CHAPTER 6 

So What Now? 

At times during this project, I have felt as though its contribution to the research topic I set out to 

investigate has been miniscule. While it would be far more satisfying to conclude this thesis with 

statements such as "species X is negatively affected by ... " or "species richness is dramatically 

reduced at sites that have previously been ploughed for cultivation purposes", the simplicity of 

these statements would contrast strongly with the complexity ofthe ecological process that 

underpins the thesis: site occupancy. While certain findings in this thesis are conclusive e.g. 

funnel traps are a valuable complement to pitfall traps for sampling reptile assemblages (Chapter 

2), I believe that the major contribution of this thesis lies in the refinements that it proposes for 

future studies of reptiles in managed or transformed landscapes of southern Africa. The 

widespread application of hierarchical occupancy models in this thesis is one that has not been 

attempted for many reptile studies, both locally and globally. The consideration of the challenge 

that reptile crypsis will be necessary if we are to progress in our understanding of the relationship 

between reptiles and their local habitats (Gardner, Barlow & Peres 2007) in order to protect them. 

This thesis also demonstrates that trap surveys can contribute to our understanding of the 

distribution of species e.g. the discovery of a Nucras lalandii population in northern SNR, and 

shed new light on species we might consider widespread and abundant e.g. Agama aculeata 

distanti. It is also important to realise that the improvements in Bayesian techniques for 

modelling hold great promise that the information gained in each successive survey can be used 

as but one additional piece in a growing library of data. For these reasons, I look forward to 

seeing what additional questions we will be able to tackle with the information collected for SNR 

by this project. 

6.1. Sampling Methods and Efficacy 

The choice of sampling method to achieve a study's objectives is not a trivial decision. Firstly the 

method needs to be effective for the collection of data in the study habitat types. Secondly the 

method must be efficient in terms of cost, time or both, specifically considering replication at the 

109 



spatial resolution at which sampling will be conducted. Methods for sampling reptile 

assemblages generally meet one of the two criteria listed previously, but not both. The utility of 

active searching is affected by the number of observers, observer effort, observer skill in 

identifying reptiles detected, the habitat in which searching takes place and the size of the study 

area. The advantages of active searching are reduced costs, observer-driven sampling intensity 

and time-table, and the ability to target sample microhabitats in which reptiles are likely to be 

found. Sampling with trap arrays is affected by the substrate on which sampling is conducted, the 

types of traps used, the layout ofthe trap array, and the abundance or activity of reptile species 

during the sampling period (Driscoll & Henderson 2008). The benefits of trapping are the 

simultaneous sampling of multiple sites, the continuous presence of an 'observer' in all weather 

conditions (except where weather conditions impair trap function e.g. flooding), and reduced 

demand for observer skill as trapped reptiles can be identified in a rigorous, unhurried fashion. 

In Chapter 1, I argued that trapping is a useful method for sampling reptile assemblages at 

Suikerbosrand Nature Reserve (SNR). Having analysed the data collected during 37 206 trap 

days (Table 6.1) across SNR, I can now qualify the argument in favour of trapping over active 

searching. The analysis of trap efficacy in Chapter 2 offered strong evidence of the benefit 

gained by using both pitfall and funnel traps at each trap array. The complementary nature of the 

two trap types resulted in a greater number of species detections than would have been achieved 

using either of the trap types in isolation. As a result of the findings in Chapter 2, pitfall and 

funnel traps have been used in every subsequent trap-based surveyor monitoring exercise of 

reptiles in SNR. While the applicability of the findings in Chapter 2 will vary across habitat 

types, the use of pitfall and funnel traps is recommended for sampling reptile species in 

structurally simple habitats, particularly when substrate type means that pitfalls are necessarily 

small. Studies that focus on a single species can make use of the trap type that best samples them, 

in order to employ more ofthese traps at equivalent cost. While many authors have argued that 

multiple methods of sampling should be employed to survey reptiles, I caution against a blanket 

approach to this, as certain methodological choices may complicate the achievement of study 

objectives e.g. using coverboards to assess use of modified habitats by refuge-seeking species 

(see Chapter 1). 
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The analysis conducted in Chapter 3 showed that if one uses an explicit model of detection 

probability to estimate species richness, then sampling efficacy is a key constraint of the 

precision of the estimate. This is not to say that a species' detection probability must be very high, 

but it needs to be sufficient when compared with the number of samples. For trap arrays that 

were checked on 104 occasions, precise estimates of site occupancy were achieved for species 

with detection probabilities greater than 0.06 sample-I. Estimates of site occupancy for species 

with a detection probability of less than 0.01 sample-' were understandably less precise and I 

would not use them for inference. 

Unfortunately, modifications to passive methods of sampling such as trapping can only focus on 

the trap array itself. Trap array layout, the use of efficient trap types, the use of durable drift 

fence materials, the length of the drift fences, trap maintenance and the timing of sampling 

represent the majority of options available for increasing trap efficacy. There is no way for a 

researcher to modify species activity or species abundance so that a species is more frequently 

detected. Despite this challenge, it is important to note that the efficacy of trapping has increased 

with each successive survey conducted in SNR (Table 6.1). Identifying the causes of the 

improvement in trap efficacy require detailed analysis to be fully understood, but appear to have 

been associated with (1) changes to materials used to construct drift fences (changing from 

plastic to ceiling board), (2) an emphasis on trapping from late spring to late summer (avoiding 

early spring months i.e. September and October) and (3) the immediate replacement of funnel 

traps that are damaged by weathering or animals. One modification for future studies of 

microhabitat or site selection in SNR is the use of two or more trap arrays per site, or the 

separation of drift fences such that they cover a larger area with the same amount of material (e.g. 

Thompson et al. 2003). Another option would be to make use of longer drift fences. Ellis & 

Bedward (2014) suggest that the gains in sampling are not proportional to the increase in fence 

length yet even small increases in efficacy might result in sample data from which more 

confident inference can be made. 
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Table 6.1: Survey details for all trapping conducted within Suikerbosrand Nature Reserve showing the year of the 

survey, the numbers oftrap arrays and types of trap used per array, trap visits during the survey period and the 

numbers of reptile individuals and species captured. 

Survey Year Trap Tra~s ~er arra~ Trap Trap Re~tiIes ca~tured 

Arra~s Pitfall Funnel visits da~s Individuals S~ecies 
Masterson, Maritz & 
Alexander (2008) 2004 10 8 8 30 4800 63 13 

Chapter 4 2005/6 12 5 8 156 24336 551 20 

Masterson et al. (2009) 2005/6 9 5 8 141 16497 443 22 

Koen & du Toit (2007) 200617 16 5 8 365 75920 1960 31 

Charter 5 2009110 9 5 8 110 12870 750 22 

* continuous sampling for one year (1 May 2005 - 30 April 2006) was conducted by D. Koen and L. du Toit. 

6.2. Detection Probability 

Detection probability, defined as the success rate of the sampling conducted, is a nuisance 

parameter in ecological investigations. Ideally all sampling should be conducted in such a way 

that the presence or absence of target species is perfectly observed in a single sample i.e. p = l. 

In practice detection probability is never perfect and may also vary through time (Royle et al. 

2010; Chapter 4). Species may advertise their presence by calling, or may be active in ways or at 

times such that time-based searches have a high probability of detecting them. The habitat in 

which sampling is conducted also influences the ease with which individuals of the target species 

are captured e.g. fossorial, tropical species (Maritz & Alexander 2008) vs. terrestrial, semi-desert 

species (Maritz 2011), and sampling strategies should be tailored accordingly. 

In this thesis, I used passive trapping to sample reptiles in SNR, with no additional forms of 

sampling such as active, time-constrained searches. While some studies do make use of multiple 

sampling methods, they are typically of very short duration i.e. five days of pitfall trapping per 

survey (Nichols & Nichols 2003; Fischer, Lindenmayer & Cowling 2004). Surveys of longer 

duration for the study of reptile assemblages generally make exclusive use of passive trapping. 

Few of these studies have estimated the success rate oftrapping explicitly but, even if available, 

comparisons of detection probability or trap success rates would be further complicated by 

structural differences in the reptile assemblages compared. Rigorous comparisons of alternatives, 
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such as the ones by Greenberg, Neary & Harris (1994a) and Hobbs et al. (1994), are invaluable 

contributions to the methodological discussion and should be conducted prior to or as part of the 

drafting of a sampling framework for Environmental Impact Assessments (EIA). Current EIA 

methods for sampling reptiles at prospective development sites in South Africa are far less 

intensive than the sampling conducted in this thesis (G.J. Alexander, pers. comm.). As my results 

show, it is difficult to reliably detect all species at a single site even with months of trapping. 

How much more biased is the number of species detected by methods that are less intensive? 

When one considers that EIA typically focus on rare or Threatened species, which may be 

expected to have low detection probabilities, the question becomes even more pertinent. 

The scale at which detection probability is estimated can vary dramatically and depends upon the 

goals of the study e.g. detection by trap types (Chapter 2), or by entire trap arrays (Chapters 3, 4 

and 5). In Chapter 2, the effect of trap type on detection probability was demonstrable, with 

important consequences for sampling. Snake species made up the bulk of the species richness in 

the sites surveyed during this thesis. Thus the use of funnel traps, with the consequent increase in 

sampling efficacy was both a cost-saving feature of the sampling and vital to my attempts to 

estimate characteristics of the reptile assemblage, including detected and undetected species 

(Chapters 3 and 5). I also found differences in detection probability of reptile species through 

time (Chapter 4), which raises important questions about survey timing and duration. Analytical 

methods that do not allow for variation in detection probability within a survey period or study 

will be at greatest risk of bias under these circumstances. This is what motivated my analysis in 

Chapter 3, which confirmed the benefits of a hierarchical modelling approach for inference. 

The detection probabilities estimated for reptiles in SNR in this thesis represent the first 

estimates of detection probability published for any southern African reptile assemblage. The 

only prior work on detection probability of southern African works is that of Gardner, Baard & Ie 

Roux (1999), who used a controlled field trial to estimate the detection probability of geometric 

tortoise models when walking transects through suitable habitat. Gardner, Baard & Ie Roux 

(1999) estimated the probability that each individual present in a transect is detected during 

searching i.e. population size data, which differs from the probability that any individual is 

detected during searching i.e. presence-absence data. Gardner, Baard & Ie Roux (1999) reported 

that no observer detected more than 50% of the models in a transect, and that vegetation density 
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and detection probability were inversely proportional. Additionally, their data indicate that at 

least one model tortoise was detected in every transect searched, whether by groups or 

individuals (Gardner, Baard & Ie Roux 1999). Thus the presence of the 'species' was perfectly 

represented by the detection data, with no false absences resulting from non-detection. For this 

reason, and the fact that tortoises are quite large and do not move off at the approach of an 

observer as they tend to rely on the protection of their shells, these data are not comparable with 

those of my thesis. 

In the absence of estimates for comparison, two questions cannot be answered: (1) how do the 

detection probabilities of reptile species at SNR compare with those of other species assemblages 

in southern Africa?; and (2) is active searching a more cost-effective method when confirmation 

of site occupancy is the objective of sampling? Hutchens & DePerno (2009) compared multiple 

sampling methodologies and reported that primary techniques (which included trapping) were 

more costly than other methods in terms of cost-per-capture measures and recommended the use 

of multiple methods to determine species richness. Unfortunately Hutchens & DePerno (2009) 

did not estimate detection probability explicitly, preferring to use the Cha02 estimator (Chao 

1987) to estimate the number of species not detected. Pending a re-analysis of their data to 

estimate the detection probability of each species using each method, another study comparing 

active searching and trapping methods in a simultaneous survey of the same sites is 

recommended. Variables such as habitat type, vegetation density, cost, and time spent on trap 

installation and maintenance vs. time spent active searching could be controlled for in such a 

setting. Data from a study such as this would be invaluable for comparing the efficacy of the two 

methods for surveying an entire reptile assemblage. I strongly recommend that future studies of 

reptile assemblages in southern Africa include an explicit assessment of detection probability 

(regardless of the method of sampling) so that efficacy of each method can be improved, better 

sampling methods can be selected to meet study objectives and costs saved. The diversity of 

reptiles in southern Africa is too great to take a 'one-size-fits-all' approach or to utilise costly and 

inefficient methods when cheaper alternatives exist. This is a risk if the success rate of the 

chosen sampling method is not assessed. 
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6.3. The Site Occupancy Metric 

In this thesis my analyses have focussed on the presence or absence of reptile species at my 

sample sites. Since the introduction of the metapopulation concept of Hanski (1998), the use of 

site or patch occupancy as a metric in animal studies has increased in frequency (Royle, Nichols 

& Kery 2005). While passive trapping is very useful for detecting the presence of rare species 

(Chapter 5), it is not an efficient method for generating count data. Even if one uses mark

recapture methods to identify novel individuals from previously captured individuals, the time 

frame of trapping in this survey means that there is always a likelihood that new individuals will 

immigrate into the site population. For example, I marked individuals of the most common lizard 

species at SNR. The goal of marking these species was to determine if individuals moved 

between trap sites that were in close proximity to one another. Only a single adult Gerrhosaurus 

flavigularis was captured at two sites. The individual was first caught at site 2B (date unknown 

as marks were site- but not individual-specific) and recaptured on a single occasion at site 2A 

(date: 27 March 2006). My data confirmed that the inter-site movement of individuals of these 

lizard species had a negligible effect on trapping both because it is exceptional (occurring only 

once) and because these species were readily detected i.e. migrating individuals did not result in 

the only detection ofthe species. The use of site occupancy as a metric for each species was thus 

a simpler way to represent population status of each species across the study area (Royle, 

Nichols & Kery 2005), however the fact that many species were not repeatedly detected at the 

site where they occurred led to increased uncertainty about the status of sites at which they were 

not detected (Chapters 3, 4 and 5). 

As was noted in Chapter 4, the occupancy state of a site can be quite resilient to changes in the 

abundance of the species considered. While a decrease in the abundance of the species, or even 

the apparent abundance of the species via reduced activity at the site, can be expected to lead to a 

decrease in the probability of detecting the species (Royle & Nichols 2003), the site remains 

occupied until the population size decreases to zero and the species is locally extirpated. As the 

detection probability of a species decreases, the inclusion of factors that cause variation in 

detection probability is critical to discriminate between the true and false absence of a species. 

However, decreased detection probability leads to biased estimates ofthe relationship between 
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site occupancy and causal factors, which then inhibits our ability to relate real declines to 

threatening processes and to respond effectively to them. This was a consequence that I did not 

foresee during the planning of my fieldwork and I cannot be certain that this 'negative-feedback 

loop' did not affect the results of my surveys for Chapter 4 and Chapter 5. I suggest that in the 

future, studies using site occupancy as the metric of population status should use multiple trap 

arrays, of any suitable arrangement e.g. Hobbs et al. (1994), such that the site-specific detection 

probability of 'rarer' reptile species increases to levels suitable for discriminating between 

occupied and unoccupied sites with high confidence. I would also, cautiously, recommend the 

use of active searching (time-constrained or time-measured). The use of active searching would 

need to be conducted in ways which did not destroy, modify or otherwise impact upon 

microhabitat suitability for species occurring at the site. For example, lifting rocks which are 

replaced as found is acceptable, but the destruction of termitaria - which many species of reptile 

utilise as refugia (Lynch 1988) - is not recommended for general practice. 

6.4. Reptiles and Habitat Characteristics 

The goal of my thesis was to study the relationship between habitat modification and the reptiles 

experiencing the changes. From the data collected, reptiles appear to be relatively resilient to 

changes in their habitat (Chapters 4 and 5). This is not to say that all reptile species responded to 

habitat modifications in the same way. The two most common species of lizard in SNR, G. 

jlavigularis and Trachylepis capensis responded differently (see chapters 4 and 5). Despite no 

effect of fire or grass cutting on the occupancy of sites for both species, individuals of G. 

jlavigularis were more frequently detected at cut sites than at either control or burnt sites, 

whereas individuals of T capensis were less frequently detected at burnt sites compared with 

control or cut sites (Chapter 4). A similar dichotomy in the response of these two species was 

observed in Chapter 5. Trachylepis capensis was less likely to be detected at undisturbed 

grassland sites as compared with treated or untreated old lands, while G. jlavigularis had a much 

higher detection probability in undisturbed sites than in both old land types. From a site 

occupancy perspective, the causes of these differences are inconsequential to their conservation 

at SNR because both species were recorded at nearly every site surveyed in both studies. 
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Two species of lizard that merit further consideration in future studies are (I) Agama aculeata 

distanti and (2) Nucras lalandii. In the case of A. a. distanti, it appears that the species is patchily 

distributed across SNR, with small population sizes at occupied sites. In combination, these two 

conditions make A. a. distanti vulnerable to localised threats, with reduced likelihood ofre

colonisation (Chapter 4). In the case of N lalandii, the population at SNR is the only known 

extant population of the species within the Gauteng Province, and the species has been recorded 

only in undisturbed grassland sites during surveys by Masterson et al. (2009), D. Koen and L. du 

Toit (reported in Masterson 20 I 0), and Chapter 5. The additional concern regarding the status of 

N lalandii in SNR is that the species has only been recorded in the grasslands north of the 

reserve's main plateau. Whether this is due to microclimatic differences between the northern and 

southern grasslands (the latter are exposed to the cold winds blowing north east off the Lesotho 

mountains) or due to the exclusion of large herbivores or some other factor is not known. 

Nevertheless, the decline of N lalandii in Gauteng Province and its apparent exclusive use of 

undisturbed grassland sites motivate strongly for further study and careful management. 

6.5. Conclusion 

In the development of our understanding of the natural world, we typically progress with small 

steps. While this does not always seem a satisfactory outcome for the effort invested, the truth is 

that each step takes us closer to the goal. Perhaps that must sometimes be enough. Despite the 

challenges encountered during trapping at SNR since 2004, the sum total of the information 

collected about reptiles within the reserve boundary is impressive and invaluable for future 

studies in southern Africa. Suikerbosrand Nature Reserve is now one of the most intensively 

surveyed areas in southern Africa with regards to its reptile fauna and I expect many more 

interesting findings as the data continue to be analysed. 
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Appendix 1 

# Estimation of Chao2 species richness in Chapter 3 
# By Gavin Masterson 

load(" .... ") # detection data 
siteS <- vector("numeric""ength=13) 
siteFreq <- array(O,dim=c(13,Sl)) 
samples <- c(104, 104, 104, 77, 77, 77, 104, 104, 104, 104, 104, 104, 104) 

# The number of species per (summed) incidence frequency class 
aliSiteFreq <
c(7,4,2,O,2,l,O,O,O,O,O,O,l,O,O,O,O,O,O,l,O,O,O,O,O,O,0,0,0,0,0,0,0,0,0,0,0,0,0,0,0,0,0,0,0,0,0,0,0,1,1) 
siteFreq[13,] <- aliSiteFreq 

# Generate SiteFreq array 
forO in 1:12){ 
for(i in 1:20){ 

ifelse(specc. site [i ,il ==0 ,i<-i+ l,(site Freq U,specc.site[i ,j]]<-siteFreq U ,specc.site [i ,il]+ 1)) 
} 

} 

# Generate siteS vector i.e. the number of species detected at each site 
forO in 1:13){ 

siteS[j]<-sum (siteFreq U,]) 
} 

# Parameters estimated by Chao2 
SO <- vector("numeric", length=13) # estimated number of species not detected during sampling 
varS <- vector("numeric", length=13) # variances for the estimates of SO 
ClChao2<-array(NA, dim=c(13,2)); colnames(CIChao2)<-c("lower","upper") # array for Cl's for each site 
SChao2 

# Calculate SO, varS and CIChao2 
for(i in 1:13){ 

q1<-siteFreq[i,l] 
q2<-siteFreq[i,2] 

ifelse(q2>O, 
SO[i]<-((samples[i]-1)/samples[i])*((q11\2)/(2*q2)), # Equation 3 - appendix B, EstimateS user guide 

(bias-corrected as shown in Colwell et al. 2012) 
SO[i]<-((samples[i]-1)/samples[i])*(q1 *(q1-1)/(2*(q2+1))) # Equation 4 - appendix B, EstimateS user 

guide 
) 

ifelse(q2>O, 
varS[i]<-( 
((samples[i]-1)/samples[i])*((q1 *(q1-1))/(2*(q2+1))) + 
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(((samples[ij-1)/samples[iJ}i'2)*(((q1 *((2*q1)-1)"2))/((4*(q2+1)"2))) + 
(( (samples[ij-1)/samples[ij)" 2) * (( (q1 "2) *q2* (( q1-1)" 2) )/(4 * (q2+ 1)"4)) 

), # Equation 10 - appendix B, EstimateS user guide 
varS[ij<-( 

((samples[ij-1)/samples[i])*((q1 *(q1-1))/2) + 
(((samples[ij-1)/samples[i])"2)*(((q1 *((2 *q1)-1)"2))/4) -

(( (samples[ij-1)/samples[i])" 2) *( (q1 "4)/(4 *SO[ij)) 
) # Equation 11 - appendix B, EstimateS user guide 

Tau <- SO[ij 
K <- exp(1.96*(sqrt(log(1+(varS[ij/(Tau"2)))))) 
ClChao2[i,lj<-siteS[ij+(Tau/K) 
CIChao2[i,2j<-siteS[ij+(Tau * K) 

SChao2 <- siteS+SO 
cbind(siteS,SChao2,varS,CIChao2) 
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Appendix 2 

# Model specification for Chapter 3 analysis 
#Acknowledgements: Marc Kery 
#Indexing parameter M =The number of species in the augmented reptile assemblage 

model { 

#Prior distributions and parameter transformations 
omega ~ dunif(0,1) 
pO ~ dunif(0,1) 
psiO ~ dunif(0,1) 
sigmap ~ dunif(0,10) 
sigma psi ~ dunif(0,10) 
rho~ dunif(-1,1) 

taup <- (1/(sigmap*sigmap)) 
taupsi <- (1/(sigmapsi*sigmapsi)) 
mup <- log(p0/(1-pO)) 
mupsi <- log(psi0/(1-psiO)) 
var.eta <- taup/(1.-pow(rho,2)) 

#Likelihood 
for(i in 1:M){ #Process model 

w[i] ~ dbin(omega,1) 
lpsi[i] ~ dnorm(mupsi,taupsi) 1(-16,16) 
mu.lp[i] <- mup +(rho*sigmap/sigmapsi)*(lpsi[i]-mupsi) 
lp[i] ~ dnorm(mu.lp[i], var.eta) 1(-16,16) 

for(j in 1:nsites){ 
z[i,j] ~ dbern(mu.psi[i,j]) 
mu.psi[i,j] <- psi[i,j]*w[i] 
psi[i,j] <-1/(1+exp(-lpsi[i])) #Avoid WinBUGS logit function 

# Observation model 
for(i in 1:M){ 

for (j in 1:nsites) { 
#The observed, augmented data array 
y[i,j] ~ dbin(mu2[i,j], samplesUJ) 
mu2[i,j] <- z[i,j]*mu[i,j] 
mu[i,j] <-1/(1+exp(-lp[i])) 
} 

#Species-richness Nasa derived parameter 
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for(j in l:nsites){ 
NsiteUJ <- sum(z[l:M,j]) 
} 

nO<-sum(w[(nspecies+l):M]) 
Ntota 1<-nspecies+nO 
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