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Abstract	
Tropical	forests	are	under	intense	anthropogenic	pressure	from	activities	such	as	

logging,	land	conversion	and	unregulated	fires.	These	practices	are	driving	global	

forest	loss	and	degradation,	which	have	been	particularly	intense	on	the	island	of	

Borneo.	Human-modified	landscapes	dominate	Borneo	and	the	need	to	assess	and	

monitor	the	diversity	of	degraded	forests	is	now	of	critical	importance.	The	use	of	

invertebrate-derived	 DNA	 (iDNA)	 sampling	 techniques	 is	 gaining	 popularity.	 In	

this	approach,	 invertebrate	blood	meals	are	sequenced	to	 identify	 the	vertebrate	

hosts	on	which	they	have	been	feeding.	In	this	study	I	applied	an	iDNA	method	to	

survey	mammalian	diversity	in	a	degraded	landscape	in	Sabah,	Malaysian	Borneo.	I	

focused	on	two	species	of	haematophagous	terrestrial	leech	(Haemadipsa	picta	and	

H.	sumatrana),	which	I	sampled	 from	primary	 forest	and	degraded	forest	sites	of	

varying	quality.	First,	I	investigated	the	difference	between	the	diet	of	the	two	focal	

leech	species	and	show	that	H.	picta	detects	a	greater	diversity	of	mammalian	taxa.	

My	 findings	 emphasise	 the	 need	 to	 understand	 the	 ecology	 of	 the	 invertebrate	

sampler	and	the	biases	 it	 introduces.	Using	H.	picta	 I	 then	conducted	an	 in-depth	

analysis	 into	 the	 differences	 in	 mammalian	 diversity	 across	 a	 human-modified	

gradient	 over	 two	 years.	 Finally,	 I	 applied	 a	 hierarchical	 occupancy	 modelling	

framework	 to	 iDNA	 detection	 data	 to	 incorporate	 imperfect	 detections	 at	 two	

levels.	 This	 is	 a	 novel	 application	 of	 a	 classical	 statistical	 framework	 and	 to	my	

knowledge	the	first	study	to	do	so.	Although	there	are	developments	which	need	to	

be	made,	my	results	show	the	importance	of	accounting	for	imperfect	detection	to	

gain	a	nuanced	understanding	of	species	detections.	Overall,	I	conclude	that	leech	

iDNA	 is	 a	 promising	 new	 sampling	 technique	 for	 mammals,	 but	 its	 use	 as	 a	

standard	tool	 for	conservation	monitoring	will	rely	on	 lowering	sequencing	costs	

and	improved	reference	databases.	
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Chapter	1:	General	Introduction	
	

1.1. Biodiversity	in	human	modified	landscapes	

1.1.1. Global	trends		

Tropical	 ecosystems	 cover	 40%	 of	 the	 Earth’s	 surface	 (Barlow	 et	 al.	 2018)	 and	

make	up	vast	regions	of	the	Americas,	Central	Africa	and	Southeast	Asia.	Overall,	

tropical	 forest	 accounts	 for	 approximately	 50%	 of	 total	 forest	 cover	 (Pan	 et	 al.	

2011).	These	forests	are	crucial	to	the	global	carbon	cycle	(Pan	et	al.	2011),	climate	

regulation,	 and	 primary	 production	 (Malhi	 2012),	 and	 provide	 many	 other	

important	 ecosystem	 functions	 and	 services	 including	 the	 provision	 of	 natural	

resources	 such	 as	 timber	 and	 food	 (Toledo	 et	 al.	 2003).	 High	 rates	 of	 primary	

productivity	 in	 the	humid	tropics	allow	these	habitats	 to	support	higher	levels	of	

biodiversity	than	in	other	terrestrial	biomes,	and	this	is	seen	across	broad	groups	

such	 as	 trees	 (Slik	 et	 al.	 2015),	 arthropods	 (Basset	 et	 al.	 2012)	 and	 vertebrates	

(Schipper	 et	 al.	 2008).	 Species	 endemism	 is	 also	 particularly	 high	 in	 tropical	

forests;	for	example,	there	are	six	times	the	number	of	endemic	birds	in	the	tropics	

compared	to	temperate	forests	(Barlow	et	al.	2018).	Tropical	forests	are	important	

not	only	for	the	hyper-biodiversity	found	within	them,	but	also	their	roles	as	global	

carbon	stores	(Malhi	2012),	which	is	of	great	importance	in	the	context	of	current	

climate	 change.	 Deforestation	 causes	 the	 release	 of	 large	 amounts	 of	 carbon	

dioxide	(CO2)	into	the	atmosphere	and	so	the	protection	of	tropical	forests	will	be	

critical	in	the	mitigation	of	global	warming	(Sullivan	et	al.	2017).	

	

Very	few	habitats	on	Earth	have	escaped	from	human	interference,	and	as	human	

populations	 rise	 so	 does	 the	 demand	 for	 space	 and	 resources	 (Newbold	 et	 al.	

2015).	The	driving	forces	behind	tropical	forest	deforestation	and	degradation	are	

complex	 and	 interlinked,	 but	 the	most	 pervasive	 influences	 arguably	 are	 timber	

extraction,	 and	 land-use	 change	 for	 plantations	 and	 pasture	 (Malhi	 et	 al.	 2013),	

practices	 which	 are	 widely	 sanctioned	 by	 governments	 but	 are	 also	 conducted	

through	 illegal	 means.	 Tropical	 forest	 loss	 is	 increasing	 by	 2101	 km2	 per	 year	

(Hansen	et	al.	2013)	and	70%	of	all	forests	are	now	within	1	km	of	a	forest	edge	

(Haddad	et	al.	2015).	Alongside	this	conversion	there	is	increasing	fragmentation	
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of	the	once	intact	forest,	and	the	associated	generation	of	forest	edges	also	leads	to	

changes	in	ecosystem	functions	(Fletcher	et	al.	2018)	and	opens	up	the	forest	for	

greater	exploitation	(Laurance	et	al.	2009).	It	has	recently	been	shown	that	85%	of	

all	forest	vertebrates	are	in	some	way	affected	by	fragmentation	and	edge	effects,	

with	 often	 the	 most	 detrimental	 effects	 being	 felt	 by	 species	 of	 greater	

conservation	 concern	 (Pfeifer	 et	 al.	 2017).	 Forest	 edges	 also	 effect	 species	

composition	 and	 turnover,	with	dramatically	different	 communities	 found	 at	 the	

forest	edges	compared	to	 forest	 interiors	(Pfeifer	et	al.	2017).	Understanding	the	

effects	of	forest	degradation	on	biodiversity	is	confounded	by	the	historic	legacy	of	

land-conversion	 and	 shifting	 baselines	 (Lewis	 et	 al.	 2015)	 which	 result	 in	

extinction	debts	and	time-lagged	CO2	emissions	being	felt	into	the	future	(Rosa	et	

al.	2016).	Predictions	for	the	future	of	tropical	forests	look	particularly	bleak,	with	

the	 various	 detrimental	 effects	 of	 logging,	 climate	 change	 and	 overfishing	 for	

example,	being	compounded	by	socio-economic	factors	such	as	lack	of	governance	

and	rapid	market	growth	(Barlow	et	al.	2018).	

	

1.1.2. Human-modified	tropical	landscapes	

Human-modified	landscapes	now	dominate	the	tropics	and	are	characterised	by	a	

mosaic	of	different	land	use	classes	which	often	include	protected	areas,	degraded	

forests,	 agricultural	 plantations	 and	 pastures.	 Within	 these	 landscapes,	 the	

conservation	of	intact	primary	rainforest	is	critically	important	in	the	maintenance	

of	biodiversity	and	ecosystem	functions	(Gibson	et	al.	2011).	This	is	often	achieved	

through	assigning	 forests	as	protected	areas,	and	while	 there	may	be	 issues	with	

illegal	hunting	and	weak	governance,	in	general	protected	areas	world-wide	have	

higher	 biodiversity	 than	 unprotected	 land	 (Gray	 et	 al.	 2016).	 However,	 as	 large	

amounts	of	tropical	forests	have	been	degraded	in	some	way	(Hansen	et	al.	2010),	

it	 is	 crucial	 that	 these	 landscapes	 now	 play	 a	 role	 in	 the	 conservation	 of	

biodiversity	(Putz	et	al.	2012).	Degraded	landscapes	are	heterogenous	and	difficult	

to	 define	 but	 can	 be	 characterised	 in	 some	 way	 by	 a	 gradient	 of	 deforestation,	

fragmentation	due	to	roads	and	cleared	areas	and	increased	exploitation	of	natural	

resources	(see	Figure	1.1.)	(Putz	&	Redford	2010).	These	degraded	forests	are	also	

typically	characterised	by	over-harvesting	of	timber,	hunting	and	altered	natural		
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Figure	1.1.	Top	-	Photographs	showing	primary	rainforest	at	Danum	Valley,	Sabah,	A)	sunrise	over	the	canopy,	B)	the	Segama	river,	C)	
canopy	showing	emergent	trees.	Bottom	-	Degraded	forest	at	the	SAFE	project,	D)	road	cut	through	logged	forests,	E)	cut	timber	and	
trucks	at	a	sawmill,	F)	freshly	cleared	timber	landing	site	(photo	credit:	R.	Drinkwater).	

17	
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fire	 regimes	 and	 different	 ecological	 communities	 of	 species	 compared	 to	 old	

growth	habitats	(Gardner	et	al.	2009).	

	

1.1.3. Logging	and	land-conversion	

Logging	and	land-use	conversion	for	agriculture	are	perhaps	the	biggest	drivers	of	

forest	 degradation	 (Malhi	 et	 al.	 2013).	 One	 logging	 rotation	 can	 cause	 collateral	

damage	to	the	surround	forests	through	the	felling	of	trees,	opening	of	roads	and	

storing	of	 timber	 (Putz	et	al.	 2012).	This	 can	be	 through	selective	 logging	where	

only	 trees	 above	 a	 minimum	 trunk	 diameter	 are	 extracted	 compared	 to	 clear-

felling,	which	 involves	 the	 removal	of	 all	 trees	 (Edwards	et	al.	 2014).	 In	general,	

the	intensity	of	logging	can	have	varying	effects	on	biodiversity	(Burivalova	et	al.	

2014),	 and	multiple	 rounds	 of	 logging	 continually	 degrade	 the	 forest,	 until	 it	 is	

deemed	of	little	value.	At	this	point,	salvage	logging	takes	place	which	includes	the	

extraction	of	any	valuable	timber	and	then	land-conversion	often	begins.	There	are	

methods	 of	 timber	 extraction	 which	 aim	 to	 reduce	 collateral	 damage	 during	

logging,	 termed	 reduced	 impact	 logging	 (RIL).	 RIL	 practices	 include:	 pre-felling	

inventories,	vine-cutting	to	reduce	the	number	of	associated	trees	which	are	pulled	

down,	directional	 felling	and	 limits	on	 skid	 trails	 and	 landing	 sites,	 among	other	

activities	 (Edwards	 et	 al.	 2012b).	 Adopting	 RIL	 can	 have	 lower	 impacts	 on	

diversity	compared	to	a	reduction	in	logging	intensity	alone	(Bicknell	et	al.	2014).	

In	 the	absence	of	high	 levels	of	hunting,	 forests	 that	have	only	undergone	one	or	

two	rounds	of	logging	are	still	able	to	support	biodiversity	levels	that	are	similar	to	

those	 of	 primary	 forests	 (Putz	 et	 al.	 2012).	 In	 comparison,	 other	 land-use	

categories	 such	 as	 plantations	 support	 much	 lower	 biodiversity	 (Edwards	 et	 al.	

2014).	Converting	degraded	forests	to	agricultural	land	is	likely	to	cause	a	bigger	

loss	 in	biodiversity	compared	to	the	 initial	round	of	 logging	(Gaveau	et	al.	2016).	

For	 example,	 mammalian	 species	 richness	 is	 lower	 in	 oil-palm	 dominated	

landscapes	compared	to	riparian	forest	(Pardo	et	al.	2018)	and	selectively	logged	

forest	(Wearn	et	al.	2017).	

	

1.1.4. Built	infrastructure	and	roads	

Forest	 degradation	 also	 occurs	 with	 built	 infrastructure	 in	 human-modified	

landscapes,	for	example	the	majority	of	deforestation	in	the	Amazon	occurs	within	
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5.5km	of	a	road	(Barber	et	al.	2014).	The	negative	effects	of	roads	on	biodiversity	

can	 be	 direct,	 such	 as	 through	 individual	 mortalities	 caused	 by	 collisions	 with	

vehicles,	and	indirect,	such	as	through	the	creation	of	barriers	to	natural	dispersal	

as	well	by	facilitating	the	movement	of	hunters	and	invasive	species	(Laurance	et	

al.	2009).	Additionally,	large	roads	are	often	the	catalyst	for	opening	up	the	forest,	

and	 lead	 to	 a	 proliferation	 of	 smaller	 roads	 that	 penetrate	 further	 into	 intact	

forests	(Barber	et	al.	2014).		

	

The	 impact	 of	 hunting	 associated	 with	 logging	 varies	 across	 taxa,	 with	 more	

detrimental	consequences	seen	in	groups	such	as	ungulates	and	primates	(Brodie	

et	 al.	 2014b).	 Poaching	 for	 the	 illegal	 wildlife	 trade	 is	 an	 extremely	 lucrative	

business,	 decimating	 populations	 of	 Southeast	 Asian	 birds	 and	 mammals,	 for	

example	 (Wilcove	et	al.	 2013).	Hunting	and	 the	 removal	of	 vertebrates	 can	 alter	

ecosystem	 functions	 such	 as	 by	 reducing	 seed	 dispersal	 (Brodie	 et	 al.	 2009),	

although	 the	 full	 impact	 of	 losing	 these	 species	 on	 seed	 dispersal	 and	 regrowth	

may	take	decades	to	come	to	light	(Brodie	et	al.	2009).	

	

1.1.5. Value	of	degraded	forests	

The	sensitivity	and	resilience	of	forest	taxa	to	habitat	degradation	has	been	shown	

to	depend	on	aspects	of	 their	 ecological	 traits.	Generally,	more	 specialist	 species	

with	narrow	niches	are	at	greater	risk	from	the	impacts	of	forest	degradation	and	

fragmentation	than	generalists	(Pfeifer	et	al.	2017).	For	example,	birds	with	more	

specialised	 dietary	 niches	 are	 less	 abundant	 in	 logged	 forests	 (Edwards	 et	 al.	

2013)	 and	 the	 same	 trends	 have	 also	 been	 reported	 for	mammals	 (Wearn	 et	 al.	

2017).	 However,	 there	 is	 now	 an	 appreciation	 that	 logged	 and	 degraded	 forests	

hold	 considerable	 conservation	 value	 and	 as	 such	 need	 protecting	 alongside	

primary	 forests	 for	 the	safeguarding	of	unique	and	 important	biodiversity	(Berry	

et	al.	2010;	Lewis	et	al.	2015;	Costantini	et	al.	2016).	

	

1.1.6. Conservation	management	and	policy	regarding	human-modified	forests		

Due	to	 its	 important	roles	 in	supporting	biodiversity	and	storing	carbon,	 tropical	

forests	are	the	focus	of	numerous	conservation	policies	at	local,	regional,	national	

and	 international	 levels.	 Indeed,	 the	 United	 Nations	 recognises	 that	 global	
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deforestation	and	degradation	are	responsible	for	considerable	carbon	emissions,	

and,	 to	 mitigate	 the	 detrimental	 effects	 of	 these	 emissions,	 developed	 the	

“Reducing	 emissions	 from	 deforestation	 and	 forest	 degradation	 and	 the	 role	 of	

conservation,	 sustainable	 management	 of	 forests	 and	 enhancement	 of	 forest	

carbon	stocks	in	developing	countries”	(REDD+)	scheme.	Specifically,	REDD+	aims	

to	financially	incentivise	developing	countries	to	protect	the	carbon	stored	in	their	

forests	 through	 various	 guidelines	 and	 policies	 (United	 Nations	 2018).	

Importantly,	this	programme	also	references	the	conservation	of	biodiversity	and,	

as	 such,	opens	up	 opportunities	 for	 conserving	 areas	 of	 degraded	 tropical	 forest	

that	are	both	high	 in	carbon	and	 in	biodiversity	(Paoli	et	al.	2010).	However,	 the	

benefits	 of	 REDD+	 for	 biodiversity	 might	 not	 be	 so	 clear	 where	 structural	

definitions	of	 forest	 are	 used,	which	 encompass	 agroforestry	 and/or	 plantations	

(Harvey	 et	 al.	 2010).	 This	 programme	 may	 also	 overlook,	 and	 thus	 afford	 less	

protection	 to,	 habitats	 that	 are	 characterised	 by	 low-carbon	 and	 high	 diversity	

such	as	the	florally-diverse	Cerrado	region	of	Brazil	(Paoli	et	al.	2010).	Despite	this,	

co-benefits	between	high	carbon	stock	forest	and	vertebrates	diversity	have	been	

found,	particularly	for	threatened	species	(Deere	et	al.	2017).	

	

Another	 popular	 scheme	 used	 in	 forest	 management	 is	 “green	 labelling”	 or	 the	

certification	 of	 sustainably	 harvested	 products	 (Edwards	 et	 al.	 2012a).	 One	

example	 of	 this	 is	 the	 use	 of	 the	 ‘High	 Conservation	 Value’	 (HCV)	 classification	

approach,	which	has	been	adopted	by	the	Forestry	Stewardship	Council	(FCS)	and	

the	Roundtable	on	Sustainable	Palm	Oil	(RSPO)	in	assigning	certification	(Senior	et	

al.	 2015).	 For	 certification,	 land	 managers	 are	 required	 to	 perform	 HCV	

assessments	and	to	retain	high-conservation	forests	based	on	six	core	values,	four	

of	which	are	focused	on	biodiversity	(Senior	et	al.	2015).	The	responses	of	groups	

such	as	birds	and	mammals	can	be	used	as	indicators	of	compliance	to	certification	

guidelines.	However,	 the	benefits	 to	biodiversity	of	 the	HCV	approach	have	been	

questioned	 when	 considering	 the	 sustainable	 certification	 of	 agriculture	 as	

opposed	to	forestry	(Edwards	et	al.	2012a).	 	
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1.2. Southeast	Asian	Island	of	Borneo,	a	biodiversity	hotspot	

	1.2.1.	The	forests	of	Borneo	

Southeast	 Asia	 is	 one	 of	 the	 tropical	 regions	 facing	 the	 highest	 relative	 rates	 of	

deforestation	 and	 degradation	 (Sodhi	 et	 al.	 2004).	 The	 area	 contains	 four	

biodiversity	hotspots,	areas	with	high	levels	of	species	richness	and	endemism	but	

that	 are	 also	 experiencing	 high	 levels	 of	 habitat	 loss	 (Myers	 et	 al.	 2000).	 The	

biodiversity	hotspot	of	Sundaland	stretches	from	Peninsular	Malaysia	and	Sumatra	

to	the	island	of	Borneo,	and	is	particularly	imperilled	by	habitat	loss	(Wilcove	et	al.	

2013).		

	

Borneo’s	 lowland	rainforests	once	covered	vast	areas	of	 the	 island.	These	 forests	

are	 dominated	 by	 tree	 species	 belonging	 to	 the	 highly	 speciose	 family	

Dipterocarpaceae,	 and	 also	 support	 unique	 animal	 diversity,	 distinguishing	 this	

island	(and	Southeast	Asia)	from	other	tropical	regions	(Corlett	2007).	The	fauna	

of	Borneo	 includes	a	 large	number	of	 endemic	and	specialist	 taxa	which	may	be	

especially	 vulnerable	 to	 logging	 and	 poaching	 (Meijaard	 &	 Sheil	 2008).	 Among	

mammals,	 these	 taxa	 include	 charismatic	 primate	 species	 such	 as	 the	 Bornean	

orangutan	(Pongo	pygmaeus)	and	red	leaf	monkey	(Prebytis	rubicunda),	ungulates	

such	as	 the	yellow	muntjac	(Muntiacus	atherodes),	and	carnivore	species	 like	the	

rare	 bay	 cat	 (Catopuma	 badia)	 and	 Hose’s	 civet	 (Diplogale	 hosei).	 Other	

mammalian	groups	also	show	high	levels	of	diversity;	for	example,	Bornean	forests	

support	high	alpha	diversity	of	bats,	 as	well	 as	 rodents,	 including	 squirrels	 from	

three	 major	 clades,	 i.e.	 giant,	 nocturnal	 and	 diurnal	 (tree	 and	 ground-dwelling)	

squirrels	(Corlett	2007).		

	

1.2.2.	Threats	to	Bornean	forests	

Much	of	Borneo’s	unique	fauna	and	flora	is	under	threat	from	the	effects	of	land-

use	change.	Logging	is	an	especially	lucrative	business	on	Borneo	and,	it	has	been	

estimated	 that	 over	 30%	 of	 forest	 cover	was	 lost	 between	 the	 1970s	 and	 2010	

(Gaveau	 et	 al.	 2014).	 Among	 the	 three	 nations	 that	 govern	 Borneo,	 there	 are	

differences	 in	 the	 percentage	 cover	 of	 forest	 that	 remains.	 The	 small,	 oil-rich	

nation	of	Brunei	shows	least	percentage	forest	loss	due	its	low	economic	reliance	

on	 logging	 (Bryan	 et	 al.	 2013).	 In	 contrast,	 forest	 loss	 has	 been	 focused	 in	
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Malaysian	 Borneo	 (Sabah	 and	 Sarawak)	 and	 Indonesian	 Borneo	 (Kalimantan).	

Within	 Sabah	 and	 Sarawak,	 the	 majority	 of	 intact	 forest	 occurs	 within	 a	 few	

protected	areas,	with	the	remaining	forest	degraded	or	severely	degraded	(Bryan	

et	 al.	 2013).	 Much	 of	 these	 degraded	 forests	 fall	 within	 designated	 production	

forests	 and	 are	 encroached	 by	 logging	 roads,	 and,	 in	 many	 cases,	 destined	 for	

future	land	conversion	(e.g.	Figure	1.1.,	Gaveau	et	al.	2014).	Poaching	for	bushmeat	

and	 the	 wildlife	 trade	 is	 also	 high,	 notable	 Bornean	 examples	 include	 the	

trafficking	 of	 pangolins	 (Heinrich	 et	 al.	 2016),	 helmeted	 hornbill	 ‘ivory’	 casques	

(Beastall	 et	 al.	 2016)	 and	 Sumatran	 rhinoceros	 horns	 (Havmøller	 et	 al.	 2016)	

pushing	these	species	towards	extinction.	

	

In	recent	decades,	most	 forest	clearance	 in	Borneo	has	been	for	 the	expansion	of	

agriculture,	particularly	for	oil	palm	(Elaeis	guinensis).	Malaysia	and	Indonesia	are	

the	 largest	 producers	 and	 exporters	 of	 palm	 oil	 globally	 (Food	 and	 Agriculture	

Organisation	UN	2017).	Oil	palm	plantations	are	especially	problematic	for	forest-

dependent	 wildlife	 because	 they	 are	 monocultures	 characterised	 by	 increased	

temperatures	and	reduced	humidity	(Hardwick	et	al.	2015).	Compared	with	forest,	

these	 plantations	 tend	 to	 host	 much	 lower	 levels	 of	 diversity,	 (e.g.	 for	 birds,	

Edwards	 et	 al.	 2010;	 and	 for	 small	 carnivores,	 Jennings	 et	 al.	 2015)	 and	 the	

resilient	 taxa	 represent	 different	 assemblages	 (e.g.	 for	 dung	 beetles,	 Gray	 et	 al.	

2014;	and	freshwater	fish,	Giam	et	al.	2015).	Previously,	the	oil	palm	industry	has	

asserted	 that	 new	 plantations	 were	 developed	 mainly	 on	 old	 cropland,	 yet	

between	 1990	 -	 2005	 over	 50%	 of	 oil	 palm	 plantation	 expansion	 happened	 on	

forested	 land	 (Koh	&	Wilcove	2008).	While	sustainable	practices	 surrounding	oil	

palm	agriculture	have	improved,	for	example,	via	certification	schemes	introduced	

by	 the	 Roundtable	 on	 Sustainable	 Palm	 Oil	 (RSPO),	 forests	 left	 degraded	 from	

logging	are	wrongly	assumed	to	hold	low	conservation	value	and	therefore	are	at	a	

serious	risk	of	conversion	to	agricultural	plantations	(Berry	et	al.	2010).	

	

The	impacts	of	habitat	degradation	on	tropical	forest	species	may	be	made	worse	

by	 climate	 change.	Tropical	 forests	were	previously	 thought	 to	be	buffered	 from	

the	 worst	 effects	 of	 increasing	 global	 temperatures,	 however,	 increasingly,	 the	

impact	of	tropical	forest	degradation	needs	to	be	viewed	in	the	context	of	climate	
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change,	 where	 warming	 temperatures,	 increasing	 droughts	 and	 fires	 will	 affect	

species	as	they	need	to	adapt	or	migrate	to	survive	(Scriven	et	al.	2015).	Human-

modification	puts	Borneo’s	forests	at	greater	risk	of	extreme	dry	seasons,	fires	and	

droughts	(Brodie	et	al.	2012).	Thus	understanding	how	climate	change	will	impact	

already	vulnerable	 forests	 is	critical	 for	effective	conservation	planning	(Struebig	

et	al.	2015).		

	

1.2.3.	Biodiversity	monitoring	

To	 better	 predict	 the	 impacts	 of	 this	 human-driven	 forest	 degradation	 on	

biodiversity,	 species	 and	 populations	 need	 to	 be	monitored	 and	 integrated	with	

landscape-scale	 spatial	data	 from	satellites	 (Sodhi	et	al.	 2010).	Conservation	and	

management	 strategies	 are	 most	 effective	 where	 there	 is	 a	 comprehensive	

understanding	 of	 species	 abundance	 and	 distribution,	 incorporating	 a	 cycle	 of	

evaluation	and	implementation	(Nicholson	et	al.	2012).	The	resulting	biodiversity	

data	 are	 used	 to	 inform	 and	 evaluate	 policies,	 such	 as	 those	 within	 the	 REDD+	

framework	and	national	government	plans	(e.g.	 for	Malaysia;	Ministry	of	Natural	

Resources	and	Environment	2016).	Biodiversity	monitoring	also	provides	valuable	

data	on	species	ranges	and	threats,	which	are	then	used	to	inform	the	conservation	

status	classifications	of	species	under	the	umbrella	of	 the	 International	Union	for	

Conservation	 of	 Nature	 and	 Natural	 Resources	 (IUCN).	 Unfortunately,	 many	

vertebrate	 species	 remain	 classified	 as	 Data	 Deficient	 (DD)	 (IUCN	 2001)	 and,	

without	 sufficient	 monitoring,	 such	 taxa	 are	 at	 risk	 of	 population	 declines	 and	

extinction	before	conservation	actions	can	take	place	(Schipper	et	al.	2008)	

	

1.2.4.	Large-scale	biodiversity	experiments	

To	gain	comprehensive	insights	into	the	effects	of	habitat	degradation	on	tropical	

ecosystems	 -	 including	 biodiversity,	 biogeochemical	 processes,	 and	 ecosystem	

functioning	 -	 large-scale	 ecological	 experiments	 have	 been	 established.	 Two	 key	

examples	 include	 the	 Biological	 Dynamics	 of	 Forest	 Fragmentation	 Project	

(BDFFP)	in	Brazil,	and	the	Stability	of	Altered	Forest	Ecosystems	Project	(SAFE)	in	

Malaysian	 Borneo.	 BDFFP	 was	 established	 in	 the	 1980s	 to	 investigate	 the	

relationship	 between	 minimum	 fragment	 size	 and	 ecosystem	 functioning	

(Bierregaard	et	al.	1992).	Studies	at	this	site	have	revealed	important	and	varying	
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effects	 of	 fragmentation	 and	 the	 creation	 of	 edges	 on	 many	 taxonomic	 groups	

(Laurance	et	al.	2002).		

	

In	2010,	the	Stability	of	Altered	Forest	Ecosystems	(SAFE)	project	was	established	

in	 Sabah,	 Malaysian	 Borneo,	 as	 a	 fragmentation	 experiment	 to	 investigate	 the	

effects	 of	 on-going	 land-use	 change	 (Figure	 1.2.)	 (Ewers	 et	 al.	 2011).	 The	 SAFE	

project	 is	 located	 within	 twice-logged	 forest	 which	 is	 now	 undergoing	 salvage	

logging	before	land-conversion,	including	the	terracing	of	land	and	planting	of	new	

oil	palms	(Turner	et	al.	2012).	In	collaboration	with	multiple	stakeholders,	areas	of	

degraded	 forest,	 in	 a	 replicated	 experimental	 design,	 are	 being	 set	 aside	 for	

research	 (Figure	1.2,	Ewers	et	al.	 2011).	To	date,	 there	are	many	studies	arising	

from	the	SAFE	project	documenting	and	recording	the	effects	of	forest	degradation	

on	 diversity	 and	 ecosystem	 processes.	 For	 example,	 the	 conservation	 value	 of	

degraded	 forests	 has	 been	 demonstrated	 for	 taxonomic	 groups	 such	 as	 birds	

(Mitchell	 et	 al.	 2017),	 mammals	 (Deere	 et	 al.	 2017;	 Wearn	 et	 al.	 2017),	 fish	

(Wilkinson	 et	 al.	 2018),	 invertebrates	 (Gray	 et	 al.	 2014;	 Ewers	 et	 al.	 2015),	 and	

frogs	(Konopik	et	al.	2015).	Similarly,	in	this	degraded	landscape,	negative	changes	

post-logging	 have	 been	 reported	 in	 freshwater	 habitats	 (Luke	 et	 al.	 2017),	

microclimate	 (Hardwick	 et	 al.	 2015),	 carbon	 (Pfeifer	 et	 al.	 2015)	 and	 primary	

productivity	 (Riutta	 et	 al.	 2017).	 These	 large-scale	 studies	 allow	 for	 continuous	

and	 repeated	monitoring	 to	 take	place	 in	heterogeneous	degraded	 landscapes	at	

multiple	scales.		
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Figure	1.2.	Maps	of	 the	 field	site.	Left	side	showing	the	 location	of	the	Malaysian	state	of	Sabah	 in	North	Borneo,	with	the	 locations	of	 the	SAFE	
project	(Ewers	et	al.	2011)	and	Danum	valley	primary	forest	shown	by	black	circles,	inset	map	shows	the	location	of	Sabah	on	the	island	of	Borneo.	
The	map	on	the	right	side	 is	a	detailed	schematic	of	 the	sampling	design	at	 the	SAFE	project	used	 in	this	research.	Twice-logged	forest	sites	are	
shown	by	large	dark	green	circles	within	the	continuous	forest	(the	Ulu	Segama),	heavily	logged	forest	sites	are	shown	as	large	white	circles	within	
the	SAFE	experimental	area	surrounded	by	oil	palm	matrix	and	the	riparian	sites	are	shown	by	blue	ovals	within	the	SAFE	area.	Locations	of	the	
vegetation	plots,	within	each	habitat	type,	are	show	by	small	white	circles	and	rivers	are	shown	with	blue	lines.	The	classification	of	the	forest	in	
terms	of	high	carbon	stock	(HCS)	is	shown	by	the	gradient	of	green	shading.	Adapted	from	LOMBOK	consortium	maps.		
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1.3. Non-invasive	molecular	sampling	

1.3.1. Metabarcoding	and	environmental	DNA	

DNA	 barcoding	was	 first	 proposed	 in	 the	 early	 2000s	 as	 a	method	 to	 speed	 up	

taxonomic	 inventories	and	 identification	of	 species.	For	animals,	barcoding	most	

commonly	entails	sequencing	a	part	of	the	cytochrome	c	oxidase	1	(COI)	gene,	with	

the	 original	 idea	 that	 this	 would	 become	 a	 standard	 locus	 for	 species-level	

identification	(Floyd	et	al.	2002).	DNA	barcoding	is	usually	applied	to	high	quality	

DNA	samples	for	the	identification	of	single	species,	and	to	date	has	typically	relied	

on	Sanger	sequencing	(Taberlet	et	al.	2012b).	However,	 the	development	of	high	

throughput	 sequencing	 technologies	 (HTS)	 has	 provided	 the	 means	 to	

simultaneously	barcode	multiple	 individuals	 from	mixed	 samples	 (Taberlet	et	al.	

2012b).	 This	 so-called	 ‘metabarcoding’	 technique	 has	 been	 applied	 to	 many	

different	 ecological	 situations	 and	 for	 identifying	 different	 taxa	 (Yu	 et	 al.	 2012;	

Pochon	et	al.	2017;	Aizpurua	et	al.	2018).		

	

One	of	the	most	powerful	applications	of	metabarcoding	is	for	identifying	species	

from	 environmental	 DNA	 (eDNA),	 defined	 as	 DNA	 sequences	 derived	 from	 the	

environmental	samples	such	as	water	or	soil,	without	 the	 isolation	of	 individuals	

(Taberlet	 et	 al.	 2012a;	 Deiner	 et	 al.	 2017).	 Although	 this	method	was	 originally	

used	 in	microbiology,	 sequencing	 eDNA	was	 also	 applied	 to	 the	 identification	 of	

plant	or	animal	DNA	from	different	diverse	substrates	(e.g.	permafrost	sediment,	

Willerslev	et	al.	2003;	water,	Ficetola	et	al.	2008).	Since	then,	metabarcoding	has	

been	 used	 for	 sequencing	 eDNA	 to	 identify	 whole	 communities	 from	 many	

environmental	 samples,	 including	 seawater	 (Sigsgaard	 et	 al.	 2017),	 freshwater	

(Thomsen	 et	 al.	 2012),	 soil	 (Andersen	 et	 al.	 2012)	 and	 even	 from	pitcher	 plants	

(Littlefair	 et	 al.	 2018).	 These	 techniques	 can	 also	 be	 used	 to	 identify	 invasive	

species	(Jerde	et	al.	2013)	and	for	both	ancient	and	modern	eDNA	(Pedersen	et	al.	

2015).	 Metabarcoding	 has	 also	 been	 instrumental	 in	 the	 sequencing	 of	 dietary	

samples	 (Pompanon	 et	 al.	 2012)	 and	 bulk	 arthropod	 samples,	 such	 as	 those	

obtained	 from	malaise	 traps	 (Yu	 et	 al.	 2012).	 By	metabarcoding	 DNA	 recovered	

from	 faecal	 samples	 or	 stomach	 contents,	 it	 has	 been	 possible	 to	 gain	 a	 greater	

understanding	 of	 species	 interactions	 (e.g.	 Bell	 et	 al.	 2017;	McInnes	 et	 al.	 2017;	

Arrizabalaga-Escudero	et	al.	2018).	
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One	of	 the	many	benefits	of	 sampling	with	environmental	DNA	 is	 that	 the	 target	

species	does	not	need	to	be	confirmed	with	audio	or	visual	methods	(e.g.	through	

point	 counts	 or	 camera	 traps).	 This	 can	 be	 especially	 important	 for	 monitoring	

species	of	conservation	concern	which	tend	to	be	rare	and	challenging	to	monitor	

(Thomsen	 et	 al.	 2012).	 It	 is	 also	 a	 technique	 increasingly	 being	 used	 to	 identify	

invasive	 species,	 pinpoint	 invasion	 fronts,	 and	 develop	 early	 warning	 systems	

(Comtet	et	al.	2015).		

	

Recently,	 the	 metabarcoding	 of	 haematophagous	 invertebrate	 blood-meals	 has	

been	proposed	for	use	in	wildlife	monitoring	in	conjunction	with	other	techniques	

such	 as	 camera	 traps.	 For	 example,	 the	World-Wide	 Fund	 for	 Nature	 has	 begun	

collection	 of	 terrestrial	 leeches	 in	 Vietnam	 and	 Laos,	 alongside	 their	 camera	

trapping	campaigns	and	scat	surveys	(WWF	2013).	They	hope	that	this	molecular	

technique	 might	 aide	 in	 the	 detection	 of	 the	 saola	 (Pseudoryx	 nghentinhensis)	 a	

Critically	 Endangered	 antelope,	 thought	 to	 inhabit	 the	 forests	 in	 the	 Annamite	

Range	but	has	evaded	detection	 for	over	20	years	(WWF	2013).	Even	though	the	

molecular	 analyses	 have	 not	 yet	 revealed	 the	 presence	 of	 Saola	 DNA,	 the	 initial	

study	 resulted	 in	 the	 detection	 of	 other	 extremely	 rare	 and	 newly	 discovered	

native	species	important	for	the	conservation	of	this	area	(Schnell	et	al.	2012).	

	

1.3.2. Known	limitations	with	metabarcoding		

Despite	 the	 popularity	 of	 molecular	 biodiversity	 surveys,	 there	 are	 limitations	

associated	with	metabarcoding	that	apply	to	many	of	the	different	types	of	sample	

(e.g.	 bulk	 arthropod,	 environmental,	 dietary).	 In	 particular,	 the	 ability	 to	 draw	

robust	conclusions	relies	on	an	understanding	of	how	mixed	DNA	samples	behave	

(Barnes	&	Turner	2015).	For	example	the	amount	of	DNA	and	the	rate	at	which	it	

is	 shed	 in	 the	 environment,	 and	 its	 rate	 of	 subsequent	 degradation,	will	 all	 vary	

among	 species	 (Deiner	 et	 al.	 2017).	 Additionally,	 when	 using	 dietary	 samples,	

differential	digestion	must	be	 considered	 (Clare	2014).	To	reduce	 the	 impacts	of	

some	 known	 issues	 on	 the	 resulting	 taxonomic	 assignments	 and	 conclusions,	

various	steps	can	be	taken	(described	below).	
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Contamination	

Environmental	and	dietary	DNA	samples	typically	consist	of	short	DNA	sequences	

at	low	copy	numbers,	and	thus	are	at	great	risk	of	contamination	both	in	the	field	

and	 in	 the	 laboratory.	 This	 poses	 a	 problem	 because	 normally	 the	 contents	 of	

mixed	samples	are	unknown	and,	as	such,	DNA	contaminants	can	erroneously	be	

recorded	 as	 “true”	 diversity	 (false	 positives)	 resulting	 in	 inflated	 estimates	

(Bohmann	et	al.	2014).	To	reduce	this	risk,	many	eDNA	studies	have	adopted	field	

and	 laboratory	 protocols	 similar	 to	 those	 used	 for	 ancient	 DNA	 sequencing.	 For	

example,	 steps	 taken	 can	 include	 strict	 cleaning	 of	 field	 equipment,	 field	 blanks	

(negative	controls),	physical	separation	of	field	sites	and	samples	(e.g.	US	Fish	and	

Wildlife	 2013;	 Thomas	 et	 al.	 2018),	 the	 use	 of	 clean	 (PCR-free)	 laboratories,	

sample	 blanks,	 and	matched	sample	 tagging	 (Pedersen	 et	 al.	 2015;	 Schnell	 et	 al.	

2015b)		

	

Primer	bias	

The	choice	of	primers	can	introduce	additional	biases	in	mixed	samples,	in	which	

the	 target	 template	 DNA	 is	 often	 rare.	 This	 can	 lead	 to	 the	 preferential	

amplification	 of	 more	 abundant	 sequences	 (Elbrecht	 &	 Leese	 2015)	 or	 the	

amplification	of	a	particular	taxonomic	group	(Alberdi	et	al.	2017).	Where	DNA	is	

particularly	 degraded,	 primers	 may	 preferentially	 amplify	 higher	 quality	 DNA	

fragments	 (Deagle	 et	 al.	 2006),	 such	 as	 human	 DNA	 from	 researchers.	 Finally,	

although	 primers	 that	 amplify	 short	 DNA	 fragments	 are	 usually	 needed	 for	

metabarcoding	of	fragmented	eDNA,	these	unavoidably	limit	taxonomic	resolution	

(Pompanon	et	al.	2012).	These	issues	are	especially	relevant	to	studies	of	taxa	such	

as	 arthropods,	where	 sequence	 diversity	 can	 be	 very	 high,	 and	where	 reference	

sequences	are	not	always	available.	One	way	to	improve	taxonomic	resolution	and	

reduce	primer	bias	is	through	the	use	of	multiple	loci.	

	

Reference	databases	

Identifying	 species	 based	 on	 sequences	 from	 environmental	 or	 mixed	 samples	

relies	 heavily	 on	 access	 to	 comprehensive	 and	 accurate	 reference	 databases,	

however,	 this	 is	 not	 always	 possible	 (Blaxter	 2016).	 Most	 often,	 reference	

sequences	 are	 retrieved	 from	 GenBank,	 National	 Centre	 for	 Biotechnology	
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Information	(NCBI)	(Benson	et	al.	2013),	however,	this	is	an	un-curated	repository,	

which	 if	 used	 unfiltered	 can	 lead	 to	 erroneous	 taxonomic	 assignments	

(Mioduchowska	 et	 al.	 2018).	 For	 DNA	 barcoding	 (and	metabarcoding)	 data,	 the	

Barcode	 of	 Life	 Database	 (BOLD,	 Ratnasingham	 &	 Hebert	 2007)	 represents	 a	

second	source	of	reference	sequences,	although	this	only	includes	the	standardised	

barcoding	region,	COI.	However,	for	studies	of	broad	taxonomic	scope,	it	is	highly	

likely	 that	 some	 species	 will	 be	 missing	 from	 existing	 reference	 sequence	

databases.	 In	 such	 cases,	 new	 sequences	must	 be	 generated	 (Mohd	 Salleh	 et	 al.	

2017)	and	taxonomic	resolution	should	be	moderated	to	a	higher	classification,	e.g.	

genus,	where	databases	remain	incomplete	(Kocher	et	al.	2017b).	

	

Bioinformatics	and	parameter	choices	

As	 a	 consequence	 of	 the	 huge	 amount	 of	 sequence	 data	 generated	 using	 HTS,	

bioinformatic	pipelines	are	used	 for	 filtering	and	quality	 checks	on	 the	 sequence	

data.	There	are	many	decisions	applied	at	the	quality	control	stage	which	will	have	

an	 impact	 on	 the	diversity	outcomes	 (Alberdi	et	 al.	 2017).	 Conservative	 filtering	

risks	 the	 removal	 of	 rare	 sequences	 but	 if	 the	 filtering	 is	 not	 strict	 enough,	

sequencing	 error	 can	 be	 retained	 (De	Barba	 et	 al.	 2014).	 Filtered	 sequences	 can	

then	be	clustered	into	operational	taxonomic	units	(OTUs),	sometimes	referred	to	

as	molecular	OTUs	(MOTUs)	in	genetics	studies,	to	reduce	error	from	sequencing	

artefacts	 (Floyd	 et	 al.	 2002;	 Alberdi	 et	 al.	 2017).	 Generating	 OTUs	 involves	

clustering	sequences	together	based	on	similarity	thresholds	in	order	to	generate	

comparable	units	of	diversity	instead	of	assigning	traditional	species	identification	

(Clare	 et	 al.	 2016).	 Using	 a	 threshold	 that	 is	 too	 low	 will	 result	 in	 OTUs	 being	

under-split,	 such	 that	 too	 few	 OTUs	 are	 generated,	 potentially	 containing	

sequences	 from	 different	 taxa	 Grouping	multiple	 taxa	 in	 this	way	will	mask	 the	

true	sample	diversity.	On	the	other	hand,	if	a	threshold	is	set	that	is	too	high,	the	

OTUs	will	 be	 over-split,	 i.e.	 there	will	 be	 too	many	 OTUs	 designated,	 which	will	

artificially	inflate	the	apparent	diversity	of	the	sample	(Clare	et	al.	2016).	

	

1.3.3. Invertebrate-derived	DNA	and	invertebrate	samplers	

One	 source	 of	 DNA	 that	 has	 been	 used	 for	metabarcoding	 is	 the	 blood-meals	 of	

haematophagous	 insects	 or	 other	 vertebrate-feeding	 invertebrates	 (Schnell	 et	 al.	



	

	

30	

2015).	 The	 detection	 of	 such	 DNA	 has	 been	 termed	 invertebrate	 derived	 DNA	

(iDNA),	and	it	has	been	used	previously	to	investigate	host	specificity	and	disease	

vectors	(Malmqvist	et	al.	2004;	Konnai	et	al.	2008;	Kent	2009)	and,	more	recently,	

to	 quantify	 biodiversity	 (Schnell	 et	 al.	 2012;	 Calvignac-Spencer	 et	 al.	 2013b).	

Various	invertebrates	have	been	tested	for	their	utility	as	samplers	of	biodiversity,	

for	example	terrestrial	leeches	(Weiskopf	et	al.	2017;	Tessler	et	al.	2018),	carrion	

flies	 (Schubert	 et	 al.	 2015;	 Rodgers	 et	 al.	 2017),	 dung	 beetles	 (Gómez	 &	

Kolokotronis	2016),	mosquitoes	and	sand-flies	(Kocher	et	al.	2017b;	Kocher,	et	al.	

2017c).		

	

Sampling	with	 iDNA	 could	 provide	 several	 key	 additional	 benefits	 for	 surveying	

difficult	 to	 spot/trap	 vertebrates.	 First,	 field	 expenses	 for	 invertebrate	 sampling	

tend	to	be	low,	and	invertebrate	traps	can	be	hand-made	and	very	little	specialist	

equipment	 is	 needed,	 compared	 to,	 for	 example,	 camera	 traps	 (see	 method	

comparison	 in	 Lee	 et	 al.	 2016;	 Weiskopf	 et	 al.	 2017).	 Also,	 expert	 taxonomic	

expertise	is	also	not	needed	in	the	field,	which	some	sampling	techniques	rely	on	

(e.g.	 point	 counts	 for	 birds,	 Mitchell	 et	 al.	 2017).	 The	 reduction	 of	 field	 costs	

increases	the	potential	scope	of	iDNA	studies,	for	covering	both	a	wide	geographic	

area	and	for	maximising	temporal	sampling	efficiency.	For	example,	Schnell	et	al.	

(2018)	 sampled	 across	 most	 of	 the	 haemadipsid	 leech	 range,	 across	 the	

Palaeotropics	detecting	diversity	across	multiple	vertebrate	 classes.	Additionally,	

Weiskopf	et	al.	 (2017)	 found	comparable	richness	using	leech	 iDNA	compared	to	

camera	traps	in	only	12	days	sampling	with	leech	iDNA.	While	a	generalist	diet	is	

an	 ideal	 characteristic	 for	 a	 non-specific	 vertebrate	 sampler,	 especially	 for	

surveying	 broad	 diversity	 of	 a	 particular	 area	 and	 also	 for	 the	 detection	 of	 rare	

species	 (Schnell	 et	 al.	 2012),	 another	 approach	 is	 to	 target	 detections	 towards	

specific	species.	For	example,	Schubert	et	al.	(2015)	developed	an	assay	to	detect	

the	sooty	mangabey	(Cercocebus	atys)	using	carrion-fly	iDNA.	Aside	from	their	use	

in	detecting	species,	carrion-flies	are	often	the	 first	 to	monopolise	carcasses,	and	

thus	carrion-fly	iDNA	could	potentially	be	used	to	look	at	mortality	rates	and	mass	

die-off	events	(Calvignac-Spencer	et	al.	2013a).	
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One	 of	 the	 drawbacks	 of	 sampling	 with	 iDNA	 is	 that	 the	 time	 of	 feeding	 is	

unknown.	 Unlike	 some	 other	 methods,	 where	 the	 time	 or	 day	 of	 detection	 is	

known,	such	as	through	a	time-stamped	photo,	or	a	point	count	survey,	there	could	

be	 a	 large	 discrepancy	 between	 the	 times	 of	 invertebrate	 feeding	 and	 capture,	

which	may	 influence	 conclusions	 regarding	 biodiversity.	 To	 try	 and	 understand	

this,	preliminary	 controlled	experiments	on	rates	of	DNA	degradation	have	been	

conducted.	For	leeches	(using	the	medicinal	leech	-	Hirudo	medicinalis),	Schnell	et	

al.	 (2012)	 found	 that	 goat	 DNA	 could	 still	 be	 detected	 after	 3-4	 months	 post-

feeding,	 and	 for	 the	DNA	of	mammalian	 viruses,	 Kampmann	 et	 al.	 (2017)	 found	

detectable	 levels	50	days	post	exposure.	 In	contrast,	however,	DNA	was	 found	to	

persist	 in	blow	fly	guts	 for	 less	 than	four	days	(Lee	et	al.	2015).	As	well	as	 these	

questions	regarding	DNA	persistence,	the	utility	of	the	sampler	will	also	depend	on	

aspects	of	the	invertebrate’s	ecology,	such	as	its	dietary	breadth,	host	preferences,	

and	dispersal	behaviour	(Calvignac-Spencer	et	al.	2013a).	For	some	invertebrates,	

particularly	 those	 with	 no	 economic	 importance	 for	 humans	 (e.g.	 terrestrial	

leeches	 or	 carrion	 flies),	 very	 little	 is	 known	 about	 their	 behaviour	 compared	 to	

disease	vectors	such	as	mosquitoes	(Logue	et	al.	2016)	or	blackflies	(Malmqvist	et	

al.	 2004).	 When	 monitoring	 for	 conservation,	 the	 location	 of	 detections	 is	

important,	and	this	is	difficult	to	establish	for	flying	dipterans,	which	may	have	fed	

and	then	dispersed	far	from	their	prey.	In	comparison,	leeches	appear	not	to	move	

far	 independently	 of	 their	 host.	 One	 important	 question	 is	 the	 extent	 to	 which	

leeches	can	be	used	to	detect	variation	in	mammal	assemblages	across	local	scales,	

where	conservation	monitoring	is	taking	place,	compared	to	regional	scales	where	

studies	have	pooled	 information	 from	multiple	 leech	species	(Schnell	et	al.	2018;	

Tessler	et	al.	2018).	

	

1.3.4. Haemadipsid	leeches	and	biodiversity	monitoring	

Haemadipsid	 (family	 Haemadipsidae)	 leeches	 number	 around	 70	 species	

distributed	 across	 the	 Indo-Pacific	 tropics	 (Borda	 et	 al.	 2008).	 All	 haemadipsids	

are	blood-feeding	and	terrestrial	(Borda	&	Siddall	2010),	in	contrast	to	most	other	

leech	 species,	 which	 are	 semi-	 or	 fully-aquatic.	 Species	 of	 haemadipsid	 can	 be	

classified	as	either	duognathous	or	trignathous	(two	or	three-jawed),	that	latter	of	

which	 includes	members	 of	 the	 genus	Haemadipsa	 spp.,	 which	 are	 found	 in	 the	
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Indian	 subcontinent,	 Southeast	 Asia	 and	 Japan	 (Borda	 &	 Siddall	 2010).	

Haemadipsids	 are	 confined	 to	 areas	 of	 high	 humidity,	 probably	 linked	 to	 their	

evolution	from	an	amphibious	ancestor	(Borda	&	Siddall	2010).	These	leeches	are	

abundant	 in	 forests	 of	 north	 Borneo,	 where	 they	 are	 found	within	 primary	 and	

logged	 forest	 habitats	 (Kendall	 2012),	 however,	 they	 are	 absent	 from	 drier	

habitats	such	as	agricultural	plantations.		

	

Studies	 focusing	 on	 their	 host	 preferences	 of	Haemadipsa	 spp.	 have	 shown	 that	

they	are	generalists	(Schnell	et	al.	2018;	Tessler	et	al.	2018).	Member	of	this	genus	

in	Borneo	also	have	large	bodies	and	can	ingest	and	store	large	volumes	of	blood	in	

their	digestive	structures,	allowing	the	prey	DNA	to	remain	available	for	detection	

over	 long	 time-periods	 (Calvignac-Spencer	 et	 al.	 2013a).	 These	 traits,	 combined	

with	their	ease	of	sampling	in	the	forest	(Schnell	et	al.	2012),	makes	haemadipsid	

terrestrial	leeches	an	ideal	choice	for	sampling	mammalian	DNA.	Here,	 I	focus	on	

two	 leech	 species	 (Haemadipsa	 picta	 and	 H.	 sumatrana,	 Figure	 1.3.)	 that	 are	

abundant	in	Sabah,	North	Borneo,	and	address	the	question	of	whether	leech-iDNA	

can	be	used	for	biodiversity	monitoring	in	degraded	habitats.		

	

	 Figure	 1.3.	 Photographs	 of	 the	 focal	 terrestrial	 leech	 species	 collected	 for	
iDNA	 sequencing	 to	 detect	 mammalian	 DNA	 in	 the	 blood-meals.	 A)	

Haemadipsa	 picta,	 tiger	 leech	 (photo	 credit:	 S.	 J.	 Rossiter).	 B)	Haemadipsa	
sumatrana,	brown	leech	(photo	credit:	R.	Drinkwater)	
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1.4. Aims	and	objectives	

In	this	thesis,	I	aim	to	combine	the	use	of	terrestrial	leech	iDNA	and	metabarcoding	

for	 biodiversity	 monitoring	 in	 a	 vulnerable	 human-modified	 tropical	 forest	

landscape.	To	do	this,	 I	have	performed	field	collections	 in	Sabah	and	performed	

analyses	of	leeches	collected	during	two	field	seasons.	By	isolating	and	amplifying	

mammalian	 DNA	 from	 the	 bloodmeals,	 I	 show	 that	 it	 is	 possible	 to	 identify	 and	

quantify	mammalian	 diversity	 across	 a	 degraded	 landscape.	 In	 the	 face	 of	 large-

scale	tropical	land-use	change,	it	is	increasingly	important	to	gain	information	on	

species	 and	 populations.	 Leech	 blood	 meal	 iDNA	 (along	 with	 iDNA	 from	 other	

invertebrates)	 presents	 a	 new	 opportunity	 for	 developing	 rapid,	 non-invasive	

molecular	sampling	 for	mammals.	Combined	with	the	ability	 to	sample	within	an	

experimental	 and	 replicated	 framework,	 I	 use	 leech	 iDNA	 to	 test	 ecological	

questions	regarding	the	effects	of	forest	degradation.	

	

In	Chapter	2,	I	describe	a	comparative	study	of	the	utility	of	the	two	most	abundant	

blood-feeding	 terrestrial	 leeches	 in	 Sabah,	 Haemadipsa	 picta	 and	 Haemadipsa	

sumatrana	for	mammal	surveys	(Figure	1.3).	I	show	that	overall	H.	picta	detects	a	

greater	relative	abundance	of	diversity	and	thus,	is	considered	the	better	sampling	

tool.	This	chapter	provides	an	essential	 foundation	 in	the	behaviour	of	 these	two	

understudied	species.		

	

In	Chapter	3,	I	use	one	of	the	leech	species:	H.	picta,	to	perform	the	first	landscape-

scale	study	of	habitat	quality	on	mammalian	diversity	and	community	composition	

based	 on	 iDNA	 data.	 To	 date	 most	 iDNA	 studies	 have	 focused	 on	 the	 testing	 of	

protocols	 and	 cataloguing	 of	 species.	 I	 show	 iDNA	 sequenced	 from	H.	 picta	 can	

detect	local	scale	differences	in	mammalian	diversity.	

	

In	Chapter	4,	I	apply	the	statistical	framework	of	hierarchical	occupancy	modelling	

to	mammalian	detections	from	leech	iDNA.	To	my	knowledge,	this	is	the	first	time	

this	technique	has	been	used	in	this	way.	My	results	reveal	that	taxa	show	various	

responses	to	habitat	quality,	sampling	effort	and	technical	replication.	 I	show	the	

importance	 of	 including	 imperfect	 detections	 in	 iDNA	 studies,	 along	 with	

highlighting	potential	limitations.	
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Finally,	 I	 bring	 all	 my	 findings	 together	 in	 a	 General	 Discussion.	 Here,	 I	 aim	 to	

evaluate	 the	 benefits	 of	 leech-based	 iDNA	 studies,	 and	 the	 current	 gaps	 in	 our	

technical	and	ecological	understanding	of	terrestrial	leeches	as	samplers.	
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Chapter	2:	Using	metabarcoding	to	compare	the	suitability	of	two	

blood-feeding	leech	species	for	sampling	mammalian	diversity	in	

North	Borneo	

The	following	chapter	has	published	in:		

Drinkwater,	R.,	Schnell,	I.	B.,	Bohmann,	K.,	Bernard,	H.,	Veron,	G.,	Clare,	E.,	Gilbert,	

M.	P.	T.	&	Rossiter,	S.	J.	(2018).	Using	metabarcoding	to	compare	the	suitability	of	

two	 blood-feeding	 leech	 species	 for	 sampling	 mammalian	 diversity	 in	 North	

Borneo.	Molecular	Ecology	Resources.	DOI:	10.1111/1755-0998.12943	
	

2.1.	Abstract	

	

The	application	of	high	throughout	sequencing	(HTS)	for	metabarcoding	of	mixed	

samples	offers	new	opportunities	in	conservation	biology.	Recently	the	successful	

detection	of	prey	DNA	from	the	guts	of	leeches	has	raised	the	possibility	that	these,	

and	 other	 blood-feeding	 invertebrates,	 might	 serve	 as	 useful	 samplers	 of	

mammals.	Yet	little	is	known	about	whether	sympatric	leech	species	differ	in	their	

feeding	preferences,	and	whether	this	has	a	bearing	on	their	relative	suitability	for	

monitoring	 local	 mammalian	 diversity.	 To	 address	 these	 questions,	 I	 collected	

spatially-matched	samples	of	 two	congeneric	 leech	species	Haemadipsa	picta	and	

H.	sumatrana	 from	lowland	rainforest	in	Borneo.	For	each	species,	I	pooled	~500	

leeches	 into	 batches	 of	 ten	 individuals,	 performed	PCR	 to	 target	 a	 section	of	 the	

mammalian	16S	rRNA	locus,	and	undertook	sequencing	of	amplicon	libraries	using	

an	Illumina	MiSeq.	 In	 total	sequences	 from	14	mammalian	genera,	spanning	nine	

families	and	five	orders	were	identified.	Greater	numbers	of	detections,	and	higher	

diversity	 of	 OTUs,	 were	 found	 in	 H.	 picta	 compared	 with	 H.	 sumatrana,	 with	

rodents	only	present	in	the	former	leech	species.	However,	comparison	of	samples	

from	 across	 the	 landscape	 revealed	 no	 significant	 difference	 in	 mammal	

community	composition	between	the	leech	species.	My	findings	therefore	suggest	

that	H.	picta	 is	the	more	suitable	iDNA	sampler	in	this	degraded	Bornean	forest.	I	

conclude	that	the	choice	of	invertebrate	sampler	can	influence	the	detectability	of	

different	mammal	groups,	 and	 that	 this	 should	be	accounted	 for	when	designing	

iDNA	studies.		 	
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2.2.	Introduction	

	

The	 rapid	 assessment	 of	 biodiversity	 through	 metabarcoding	 offers	 new	

opportunities	in	ecology.	In	particular,	the	ability	to	amplify	and	deep	sequence	the	

DNA	 from	 mixed	 sources	 contained	 within	 environmental	 samples	 has	 led	 to	

renewed	 interest	 in	 applying	 non-invasive	 molecular	 techniques	 to	 address	

questions	 in	 conservation.	 DNA	 metabarcoding	 is	 now	 a	 common	 technique	 to	

catalogue	 diversity	 (Deiner	 et	 al.	 2016)	 and	 infer	 species	 interactions,	 including	

trophic	connections	(Salinas-Ramos	et	al.	2015).	

	

One	 application	 of	 DNA	 metabarcoding	 that	 has	 shown	 particular	 promise	 for	

biodiversity	monitoring	is	the	screening	of	invertebrate-derived	DNA	(iDNA).	Early	

research	using	 iDNA	techniques	often	had	an	epidemiological	 focus;	 for	example,	

screening	insect	vector	blood	meals	to	identify	hosts	(review	by	Kent,	2009).	More	

recently,	these	molecular	techniques	have	been	applied	to	biodiversity	monitoring,	

including	species	of	conservation	concern	(Schnell	et	al.	2012).	A	small	number	of	

studies	have	identified	vertebrates	from	DNA	contained	within	the	blood-meals	of	

haematophagous	(blood-feeding)	leeches	(Weiskopf	et	al.	2017)	while	others	have	

targeted	 blood	 or	 wound	 feeding	 arthropods	 including	 blowflies	 (Calvignac-

Spencer	 et	 al.	 2013b;	 Lee	 et	 al.	 2015),	mosquitoes	 and	 sand-flies	 (Kocher	 et	 al.	

2017c).	Sources	of	iDNA	are	not	only	restricted	to	blood;	indeed,	host	DNA	can	be	

also	recovered	from	invertebrate	taxa	that	feed	on	faeces	(Gómez	&	Kolokotronis	

2016),	and	potentially	from	other	excreta	(see	review	by	Calvignac-Spencer	et	al.	

2013a).	

	

Mounting	 interest	 in	the	potential	use	of	 invertebrates	as	samplers	stems	 in	part	

from	falling	sequencing	costs	in	addition	to	a	number	of	perceived	advantages	over	

more	 traditional	 methods	 (also	 see	 Weiskopf	 et	 al.	 2017).	 For	 example,	 field	

sampling	of	invertebrates	is	often	logistically	easier,	cheaper	and	tends	to	result	in	

a	 greater	 number	 of	 individuals	 than	 direct	 or	 indirect	 sampling	 of	 vertebrates,	

including	 live-	 (Wells	 et	 al.	 2004)	 or	 camera-trapping	 (Wearn	 et	 al.	 2013).	

Sampling	of	 vertebrates	 is	 also	more	 tightly	 regulated	 than	 that	of	 invertebrates,	

with	stricter	laws	governing	ethical	handling	and	the	transport	of	material	across	
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international	borders	 (Sikes	&	Gannon	2011).	Furthermore,	using	 iDNA	removes	

the	 need	 for	 field-based	 taxonomic	 expertise	 as	 species	 identification	 can	 be	

achieved	after	sequencing	with	bioinformatics	(Wheeler	et	al.	2004).		

	

Despite	 the	 interest	 among	 ecologists	 in	using	 iDNA	 for	 sampling,	 this	 approach	

still	 requires	 development	 and	many	 aspects	 regarding	 its	 utility	 have	 not	 been	

fully	 addressed.	 For	 iDNA	 monitoring	 programmes	 to	 be	 successful	 we	 need	 a	

deeper	 understanding	 of	 how	 the	 choice	 of	 an	 invertebrate	 sampler	 might	

influence	 biodiversity	 estimates	 for	 a	 given	 ecosystem	 at	 a	 local	 scale.	 Multiple	

aspects	 of	 the	 invertebrate’s	 biology	 will	 likely	 affect	 vertebrate	 detection	

probabilities	(Calvignac-Spencer	et	al.	2013a).	For	example,	variation	in	dispersal	

behaviour,	habitat-use,	feeding	ecology,	and	rate	of	digestion	should	all	ideally	be	

taken	into	account	when	choosing	a	sampler	species	(Schnell	et	al.	2015a).	Other	

biases	are	known	to	arise	from	the	laboratory	protocols,	although	these	have	been	

examined	previously,	and	are	better	understood	than	those	biases	 introduced	by	

the	invertebrate	sampler	(see	Alberdi	et	al.	2017;	Elbrecht	et	al.	2017).	

	

Terrestrial	 leeches	 (family	 Haemadipsidae,	 phylum	 Annelida)	 are	 free-living	

blood-feeders,	 with	 ~50	 species,	 distributed	 across	 the	 paleo-tropics	 (Sket	 &	

Trontelj	2008).	Apart	from	being	highly	abundant	and	easy	to	collect,	haemadipsid	

leeches	may	be	particularly	useful	as	iDNA	sources	because	of	their	large	body	size	

and	 gut	 capacity	 compared	 with	 most	 blood	 feeding	 arthropods	 (Schnell	 et	 al.	

2015a).	In	addition,	the	use	of	leech	iDNA	has	been	shown	to	be	a	complementary	

method	 to	 camera	 trapping	 (Weiskopf	 et	 al.	 2017).	 Most	 common	 haemadipsid	

leeches	have	been	 suggested	 to	be	generalist	 feeders,	opportunistically	attaching	

to	passing	mammalian	hosts	 (Govedich	et	al.	 2004),	 and	this	has	 received	 recent	

support	 from	wide-scale	 sampling.	 Schnell	 et	 al.	 (2018)	 compared	 haemadipsid	

leeches	across	five	geographical	regions	and	found	evidence	that	across	the	family,	

species	feed	on	a	broad	range	of	mammalian	diversity,	while	Tessler	et	al.	(2018)	

reported	 similar	 trends	 from	 three	 additional	 regions.	 However,	 finer-scale	

comparisons	of	iDNA	samplers	from	the	same	site	(e.g.	Kocher	et	al.	2017c)	have	

rarely	been	undertaken.	
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In	 this	 study,	 I	 perform	 a	 quantitative	 comparison	 of	 diet	 of	 two	 co-occurring	

terrestrial	leeches	Haemadipsa	sumatrana	(commonly	known	as	the	brown	leech)	

and	H.	 picta	 (the	 tiger	 leech)	 to	 test	 their	 relative	 usefulness	 as	 samplers	 of	 a	

diverse	 mammal	 fauna	 in	 lowland	 tropical	 forest	 in	 Borneo,	 Southeast	 Asia.	

Although	these	two	species	occupy	the	same	forests,	they	appear	to	have	different	

fine-scale	habitat	associations.	H.	sumatrana	is	found	almost	exclusively	in	the	leaf	

litter	 while	 H.	 picta	 is	 found	 from	 the	 ground	 to	 around	 two	 metres	 in	 the	

understorey	 (Lai	et	al.	 2011).	H.	picta	 also	appears	 to	be	 robust	 to	microclimatic	

changes;	 they	 are	 more	 common	 than	H.	 sumatrana	 in	 logged	 forest	 with	 open	

canopy	(Kendall	2012),	and	are	also	more	 likely	 to	occur	on	or	near	trails	 in	 the	

forest	(Gąsiorek	&	Różycka	2017).	Other	unknown	species-specific	traits	may	also	

contribute	to	differences	in	their	feeding	ecology.	

	

My	 specific	 aims	 were	 to	 (1)	 use	 metabarcoding	 techniques	 to	 ascertain	 the	

feeding	ecology	of	both	 leech	species,	 (2)	compare	the	diets	of	spatially-matched	

leeches	across	a	range	of	forest	types,	and	(3)	evaluate	the	suitability	of	using	each	

of	the	leech	species	as	an	iDNA	sampler	for	biodiversity	monitoring.	Being	able	to	

rapidly	 identify	 and	 understand	 differences	 in	 mammalian	 diversity	 in	 Bornean	

forests	is	especially	pertinent	in	the	light	of	ongoing	land-use	change.	Specifically,	

forest	outside	of	protected	areas	is	often	highly	degraded	due	to	timber	extraction	

and	 conversion	 for	 agriculture	 (Gaveau	 et	 al.	 2014).	 Furthermore,	 large	

vertebrates,	such	as	charismatic	and	rare	 large	mammals,	are	key	considerations	

in	the	formulation	of	policy	or	conservation	actions	and	decision-making	will	rest	

on	the	assumptions	of	data	reliability.	 	
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2.3.	Materials	and	methods	

	

2.3.1.	Study	site	and	sample	collection		

I	collected	all	samples	at	the	Stability	of	Altered	Forest	Ecosystems	(SAFE)	site	in	

the	Kalabakan	Forest	Reserve,	Sabah	(4°	33′	N,	117°	16′	E)	in	Malaysian	Borneo,	a	

large-scale	 forest	 fragmentation	 experiment	 covering	 logged	 secondary	 forest	

(Ewers	et	al.	2011).	There	are	8	sites	(3km2	radius)	that	I	have	broadly	classified	as	

either	 twice-	 (n=4)	or	heavily	 logged	 forest	 (n=4)	 (Figure	2.1).	The	 twice-logged	

sites	are	located	within	a	large	contiguous	tract	of	managed	forest	and	the	heavily	

logged	 sites	 are	 with	 the	 SAFE	 experimental	 area	 and	 consist	 of	 degraded	 and	

fragmentated	forest	(Ewers	et	al.	2011).	Each	of	these	blocks	contains	between	8	

and	 16	 permanent	 forest	 plots	 (25m2)	 (for	 details	 see	 Ewers	 et	 al.	 2011).	 I	

collected	samples	of	leeches	from	59	forest	plots	in	heavily	logged	sites	(Figure	1;	

blocks	B,	D,	F	&	VJR)	and	29	plots	in	twice-logged	sites	(Figure	1;	blocks	LF1-3	&	

LFE).	 Forest	 plots	 were	 selected	 based	 on	 accessibility	 and	 microclimatic	

conditions	that	support	leech	populations.		

	

Within	each	plot,	I	sampled	leeches	by	searching	the	forest	floor	and	understorey	

for	20	minutes,	and	I	re-sampled	each	plot	four	times	between	February	and	June	

2015.	 All	 leeches	 encountered	 of	 both	 species,	H.	 picta	 and	H.	 sumatrana,	were	

collected	and	placed	into	individual	tubes	containing	RNA	later.	The	samples	were	

stored	on	ice	packs	in	cool	boxes	until	returning	to	the	main	camp,	normally	within	

12	 hours	 but	 for	 some	 remote	 sites	 the	 delay	 was	 3-4	 days.	 H.	 picta	 and	 H.	

sumatrana	were	the	only	leech	species	I	encountered	in	the	field	and	were	easily	

identifiable	based	on	their	markings	(Figure	1.3).	
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Figure	 2.1.	 Schematic	map	 of	 the	 sampling	 design	 used	 in	 this	 chapter.	 The	 twice-logged	 habitats	 are	 shaded	 in	 dark	 green	 within	 the	
continuous	logged	forest	and	the	heavily	logged	habitats	are	shaded	in	white	within	the	SAFE	project	experimental	area.	The	location	of	the	
25	m2	 vegetation	 plots	where	 the	 sampling	 for	 leeches	 took	 place	 are	 shown	 as	 small	 white	 circles.	 Blue	 lines	 represent	 the	 rivers	 and	
streams,	and	the	green	shows	the	different	classes	of	high	carbon	stock	forest	(HCS).	Bar	chart	shows	the	number	of	individuals	collected	at	
each	of	the	sites	for	H.	picta	and	H.	sumatrana.	
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2.3.2.	DNA	extraction	and	PCR	amplification	

I	performed	sequencing	of	pooled	leeches	following	the	protocol	set	out	by	Schnell	

et	 al.	 (2018)	 (Figure	 2.2).	 Briefly,	 I	 performed	 tissue	 digestions	 on	 individual	

leeches	using	 the	 tissue	digestion	buffer	with	enough	buffer	per	 leech	 to	equal	 a	

volume	approximately	 five	times	the	 leech	body,	and	then	 incubated	the	samples	

overnight	at	50°C	while	gently	shaking.	Following	this	incubation,	 I	pooled	100µl	

of	 ten	 individual	 digests,	 ensuring	 that	 each	 1000µl	 pool	 contained	 ten	 leeches	

collected	 from	the	same	site	(Figure	2.1).	 In	 total	490	H.	sumatrana	were	pooled	

into	49	pools	and	520	H.	picta	were	pooled	into	52	pools	(Table	2.1).	I	purified	the	

DNA	 from	 each	 leech	 digest	 pool	 using	 the	 QiaQuick	 DNA	 kit	 (Qiagen,	 UK)	

following	 the	 manufacturer’s	 protocols	 but	 with	 a	 modified	 centrifugation	

procedure	(1	min	at	6,000g,	1	min	at	10,000g	followed	by	an	additional	3	min	at	

full	 speed,	 and	 1	 min	 at	 12000g)	 and	 eluted	 in	 50µl	 EB	 buffer.	 To	 ensure	

consistency,	for	each	batch	of	extractions,	I	quantified	the	DNA	from	a	subsample	

of	pools	using	the	Qubit	dsDNA	HS	Assay	Kit	(Invitrogen).	

	

Table	2.1.	A	 summary	 of	 leech	 samples	 used	 in	 this	 study.	 For	 each	 site	within	 a	
habitat	 type,	 the	 number	 of	 leech	 pools	 for	 which	 DNA	 was	 extracted	 and	 the	
subsequent	 number	 of	 these	 pools	 which	 were	 then	 used	 for	 16S	 amplicon	
sequencing	 is	 shown	 for	 both	 species	 (Haemadipsa	 sumatrana	 and	H.	 picta).	 The	
corresponding	number	of	individuals	in	the	pool	is	given	for	the	samples	sequenced.	
Before	 sequencing	 all	 samples	 were	 amplified	 using	 three	 replicate	 PCRs	 (except	
where	specified)	
	

Site	 Habitat	type	

Samples	extracted	

(pools)	

Samples	sequenced	

(pools,	individuals)	

H.	sumatrana	 H.	picta	 H.	sumatrana	 H.	picta	

B	 Heavily	logged	 8	 11	 6,	60	 10,	100	

D	 Heavily	logged	 0	 4	 0,	0	 3,	30	

F	 Heavily	logged	 18	 4	 13,	130	 4,	40†	

VJR	 Heavily	logged	 2	 1	 2,	20	 1,	10	

LFE	 Twice-logged	 13	 19	 12,	120	 18,	180	

LF1	 Twice-logged	 1	 0	 1,	10†	 0,	0	

LF2	 Twice-logged	 0	 3	 0,	0	 3,	30†	

LF3	 Twice-logged	 7	 10	 7,	70†	 10,	100†	

†	indicates	samples	which	only	had	duplicate	PCR	replicates	
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I	amplified	a	95bp	fragment	of	 the	mammalian	16s	mitochondrial	gene	using	the	

primers	“16Smam1”	 forward	5’-CGG	TTG	GGG	TGA	CCT	CGGA-3’	and	“16Smam2”	

reverse	5’-GCT	GTT	ATC	CCT	AGG	GTA	ACT-3’	primers	(Taylor	1996).	I	conducted	

PCRs	 in	 triplicate,	 with	 the	 exception	 of	 26	 pools	 (from	 LF1-3	 &	 F)	which	were	

conducted	 in	 duplicate	 during	 a	 preliminary	 experiment	 (Table	 2.1).	 DNA	 was	

amplified	using	5’	nucleotide	tagged	primers	(6-8bp)	(Binladen	et	al.	2007),	with	

identical	tags	on	both	forward	and	reverse	primers	to	be	able	to	identify	possible	

errors	due	to	“tag	jumping”	(Schnell	et	al.	2015b).	All	tags	were	designed	to	have	

two	 mismatches	 between	 each	 pair,	 to	 allow	 for	 identification	 in	 the	 case	 of	

sequencing	 error	 (Binladen	 et	 al.	 2007).	 The	 25µl	 PCR	 reactions	 consisted	 of	

0.2mM	 of	 10x	 buffer,	 2.5mM	 MgCl2,	 1unit	 DNA	 polymerase	 (AmpliTaq	 Gold,	

Applied	Biosystems),	0.2mM	dNTP	mix	(Invitrogen),	0.5mg/mL	BSA,	0.6µM	of	each	

primer	and	1µL	of	DNA	template	and	with	a	thermal	cycling	profile	of	95⁰C	for	5	

minutes,	then	40	cycles	of	95⁰C	for	12	seconds,	59⁰C	for	30	seconds	and	70⁰C	for	

20	seconds	with	a	 final	extension	time	of	7	minutes	at	70⁰C.	Negative	extraction,	

PCR	and	positive	controls	(giraffe	DNA)	were	included	in	every	run.		

	

All	 PCR	 products	 (including	 controls)	 were	 visualised	 on	 2%	 agarose	 gels	 and	

those	reactions	which	contained	DNA	were	pooled	into	libraries.	PCR	success	rate	

was	 high,	 with	 94%	 of	 H.	 picta	 pools	 and	 83%	 of	 H.	 sumatrana	 pools	 seen	 to	

contain	vertebrate	DNA.	Using	these	successful	PCR	replicates	(including	controls)	

I	prepared	indexed	amplicon	libraries	for	sequencing	using	the	BEST	v2.0	library	

build	 protocol	 (Carøe	 et	 al.	 2017).	 All	 amplicon	 libraries	were	 checked	 pre-	 and	

post-indexing	 using	 the	 2100	 Bioanalyzer,	 DNA	 high	 sensitivity	 kit	 (Agilent,	

Denmark).	I	pooled	all	indexed	amplicon	libraries	at	equimolar	concentrations	for	

sequencing	on	an	 Illumina	MiSeq.	Most	 libraries	were	 sequenced	 (250bp	paired-

end)	 at	 the	 National	 High-throughput	 DNA	 Sequencing	 Centre	 (University	 of	

Copenhagen)	with	a	smaller	number	sequenced	(150bp	paired-end)	at	 the	Bart’s	

and	the	London	Genome	Centre	(Queen	Mary	University	London).	
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2.3.3.	Bioinformatics	and	statistical	analyses	

Using	 AdapterRemoval	 v2	 (Schubert	 et	 al.	 2016)	 I	 merged	 the	 demultiplexed	

forward	and	reverse	reads,	with	default	parameters	except	for	minalignment	100,	

minlength	50	and	shift	5.	On	the	merged	reads,	I	used	a	modified	version	of	DAMe	

(https://github.com/shyamsg/DAMe,	Zepeda-Mendoza	et	al.	2016)	to	assign	each	

sequence	 to	 the	 original	 sample	 based	 on	 the	 correct	 primer	 and	 nucleotide	 tag	

combination.	With	DAMe	I	retained	only	those	sequences	that	were	detected	in	a	

minimum	 of	 two	 replicates,	 clustered	 the	 filtered	 reads	 at	 97%	 similarity	 using	

1) Individual digestion

2) Pooled DNA extraction

3) Dual tagged PCR’s

4) Indexed DNA libraries

5) Sequencing pool

6) Demulitiplex reads
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Figure	 2.2.	 Workflow	 diagram	 for	 pooled	 terrestrial	 leech	 iDNA	 sequencing;	 (1)	
Individual	leeches	undergo	tissue	digestion,	(2)	Tissue	digests	are	pooled	and	DNA	
is	 extracted	 from	batches	of	 ten	 individuals,	 (3)	PCR	replicates	are	uniquely	dual-
tagged,	(e.g.	A.A),	 (4)	PCR	replicates	are	pooled	 for	DNA	library	build	with	unique	
tag/index	 combinations,	 (5)	 Libraries	 are	 mixed	 in	 equimolar	 concentration	 and	
sequenced,	(6)	Sequences	are	demultiplexed	by	index	and	sorted	by	PCR	replicate.	
Inset	 shows	magnification	of	 the	 structure	of	 an	amplicon	 in	 the	 sequencing	pool	
with	the	unique	tag	and	index	unique	to	each	pooled	DNA	extract.	
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sumaclust	 v1.3	 (Mercier	 et	 al.	 2013)	 and	 normalised	 the	 reads	 per	 sample	 to	

50000	 with	 DAMe	 to	 allow	 cross-sample	 comparisons.	 To	 identify	 potential	

sequencing	 errors,	 a	 post-clustering	 filtering	 procedure	was	 then	 applied	 to	 the	

original	OTU	table	using	LULU,	which	removes	erroneous	rare	OTUs	based	on	both	

sequence	 similarity	 thresholds	 and	 within-sample	 patterns	 of	 co-occurrence	

(Frøslev	et	al.	 2017).	There	was	 some	evidence	of	 contamination	 in	 the	negative	

controls	with	sequences	matching	two	OTUs,	corresponding	to	Rusa	unicolor	and	

Sus	barbatus,	respectively.	For	the	remaining	samples,	I	therefore	only	considered	

these	species	to	be	present	where	numbers	or	reads	exceeded	those	found	in	the	

controls.		

	

2.3.4.	Compiling	the	reference	database	

Using	local	knowledge	of	the	field	site,	field	guides	(Payne	et	al.	1985;	Phillipps	&	

Phillipps	 2016)	 and	 the	 IUCN	 red	 list	distribution	maps	 (www.iucnredlist.org),	 I	

complied	 a	 reference	 database	 of	 all	 mammals	 likely	 to	 occur	 at	 the	 study	 site.	

From	NCBI	GenBank	nucleotide	database,	I	retrieved	all	published	16S,	aiming	for	

five	 records	per	 species	 (Supplementary	Figure	S2.1).	 I	 trimmed	and	aligned	 the	

selected	sequences	to	 the	primer	target	region	using	AliView	(Larsson	2014).	To	

augment	 my	 database,	 new	 16S	 sequences	 were	 generated	 for	 the	 following	

species:	Common	 treeshrew	(Tupaia	glis),	Small-toothed	palm	civet	 (Arctogalidia	

trivirgata),	Banded	civet	(Hemigalus	derbyanus),	Common	palm	civet	(Paradoxurus	

hermaphroditus),	Hose’s	civet	(Diplogale	hosei),	Malay	civet	(Viverra	tangalunga),	

Banded	 linsang	 (Prionodon	 linsang),	 Short-tailed	 mongoose	 (Urva	 brachyura),	

Collared	 mongoose	 (Urva	 semitorquata),	 Chinese	 ferret-badger	 (Melogale	

moschata),	 Malay	 weasel	 (Mustela	 nudipes)	 and	 Clouded	 leopard	 (Neofelis	

nebulosa)	(sequences	provided	by	G.	Veron,	Supplementary	Table	S2.1).	To	be	able	

to	 identify	 contamination,	 I	 also	 included	 16S	 sequence	 records	 from	 NCBI	

GenBank	 database	 for	 human,	 giraffe	 (positive	 control)	 and	 domestic/human-

associated	species	(Supplementary	Table	S2.2).	Representative	16S	sequences	for	

reptiles,	 amphibians	 and	 birds	 were	 also	 included	 in	 the	 reference	 database	

(Supplementary	 Table	 S2.2),	 sourced	 from	 NCBI	 GenBank,	 as	 detection	 of	 these	

taxa	with	iDNA	by	haemadipsids	is	known	(Schnell	et	al.	2018;	Tessler	et	al.	2018).	
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2.3.5.	Taxonomic	assignment	

To	assign	each	OTU	to	a	mammalian	taxon,	I	performed	a	BLAST	search	against	a	

custom	 sequence	 reference	 database	 for	 Bornean	 taxa.	With	 the	MEGAN	 lowest	

common	ancestor	(LCA)	algorithm,	I	assigned	mammalian	taxon	to	the	OTUs	from	

the	top	BLAST	results	with	>90%	similarity.	The	MEGAN	parameters	I	used	were	

minimum	bit	score	=	150,	top	percent	=	2,	min	support	=	1,	and	weighted	LCA	with	

90%	 coverage	 (Huson	 et	 al.	 2007).	 I	 only	 considered	 assignments	 at	 the	 genus-

level,	 as	 this	 has	 been	 shown	 to	 increase	 reliability	 of	 identifications	 in	 other	

ribosomal	 markers	 when	 reference	 databases	 are	 incomplete	 (Kocher	 et	 al.	

2017b).	 In	 a	 small	 number	 of	 cases	 where	 the	 best	 matching	 species	 (>90%	

similarity)	has	no	known	congeners	in	Borneo,	I	was	able	to	assign	to	the	species-

level	 (e.g.	 Echinosorex	 gymnura).	 Where	 there	 was	 no	 match	 to	 a	 reference	

sequence,	 the	 OTU	 remained	 unassigned	 and	 was	 removed	 from	 the	 analysis.	 I	

then	 filtered	 our	 results	 by	 removing	 any	 OTUs	 with	 a	 match	 to	 human	 or	 our	

positive	control.	Final	taxonomic	assignments	are	presented	in	Table	2.2.	

	

2.3.6.	Estimation	of	biodiversity	determined	by	leech	samplers	

To	 determine	 the	 relative	 utility	 of	 using	 the	 two	 focal	 leech	 species	 for	 iDNA	

sampling,	 I	 produced	 sample-size	 based	 diversity	 accumulation	 curves	 using	 all	

samples	 together	 and	 compared	 these	 to	 leech	 species-specific	 curves.	 To	 give	 a	

deeper	 understand	 of	 the	 effects	 of	 rare	 and	 abundant	 taxa,	 I	 produced	 these	

curves	by	estimating	three	orders	of	Hill	numbers	of	diversity	(Hill	1973).	These	

are	the	most	commonly	used	Hill	numbers	and	are	equivalent	to	species	richness	

(q	=	0),	the	exponential	of	Shannon-Weiner	index	(q	=	1)	and	the	Simpson	diversity	

(q	=	2)	(Chao	et	al.	2014).	One	of	the	benefits	of	using	Hill	numbers	compared	to	

other	 diversity	 indices	 is	 that	 they	 can	 be	 expressed	 in	 the	 terms	 of	 effective	

number	 of	 species,	 thus	 allowing	different	 communities	 to	 be	 directly	 compared	

(Chao	 et	 al.	 2014).	 In	 practice,	 this	means	 a	mammal	 community	 sampled	 by	H.	

picta	 is	 comparable	 to	 a	 community	 sampled	 by	 H.	 sumatrana.	 For	 the	

accumulation	 curves,	 using	 rarefaction,	 I	 constructed	 84%	 confidence	 intervals	

(CIs)	 that	 equate	 to	 an	 α-level	 of	 0.05	 for	 overlapping	 distributions,	 rather	 than	

95%	 CIs	 that	 equate	 to	 an	 α-level	 of	 0.01	 and	 are	 thus	 considered	 overly	

conservative	 in	 such	 comparisons	 (MacGregor-Fors	 &	 Payton	 2013).	 Diversity	
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accumulation	 curves	 with	 the	 standard	 95%	 CI	 are	 shown	 in	 Supplementary	

Figure	S2.2.		

	

To	test	whether	leech	species	differ	in	their	utility	as	iDNA	samplers	I	applied	two	

approaches.	First,	I	fitted	a	GLM	in	which	I	modelled	the	number	of	detections	per	

leech	pool	as	the	response	variable	with	Poisson	error,	and	fitted	leech	species	(H.	

picta	and	H.	sumatrana),	forest	type	(heavily	and	twice-logged)	and	block	identity	

(B,	 D,	 F,	 VJR,	 LF1,	 LF2,	 LF3,	 LFE)	 as	 explanatory	 variables.	 I	 started	 with	 a	 full	

model	containing	all	variables,	and	compared	its	fit	based	on	AIC	to	seven	reduced	

models	 (Supplementary	 Table	 S2.3).	 Models	 showed	 no	 overdispersion	 (θ	 <	 2).	

Second,	 to	 test	 whether	 the	 diets	 of	 either	 leech	 species	 differ	 with	 respect	 to	

composition	 of	 mammals,	 I	 examined	 patterns	 of	 beta	 diversity	 among	 pools.	 I	

calculated	 pairwise	 Bray-Curtis	 dissimilarity	 indices	 and	 visualised	 community	

composition	 using	 non-metric	 multidimensional	 scaling	 (NMDS).	 To	 test	 for	

greater	 dissimilarity	 between	 leech	 species,	 and	 different	 habitats,	 I	 applied	 a	

PERMANOVA	 analysis	 as	 a	 robust	 test	 of	 ecological	 community	 structure	

(Anderson	&	Walsh	2013).	I	conducted	all	analyses	in	R	(R	Core	Team	2018)	using	

Vegan	(Oksanen	et	al.	2017)	and	iNEXT	packages	(Hsieh	et	al.	2016).		 	
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2.4.	Results	

	

2.4.1.	Generation	of	reference	database	

The	final	reference	database	of	sequences	compiled	for	the	field	site	contained	256	

records	of	the	16S	target	sequence,	from	28	mammalian	families	across	ten	orders.	

For	 40	 mammal	 species	 for	 which	 16S	 sequences	 were	 not	 available,	 I	 either	

obtained	 published	 sequences	 from	 a	 related	 member	 of	 the	 same	 taxonomic	

family	(30	cases),	or	I	used	newly	generated	sequences	for	Bornean	native	species	

(8	cases),	or	an	Asian	sister	species	(two	cases;	clouded	leopard	and	Chinese	ferret	

badger),	 via	 Sanger	 sequencing	 (Supplementary	 Table	 S2.1).	 In	 this	 latter	 case,	

sequences	ranged	from	90	to	101bp	(new	GenBank	accession	numbers	MG996889	

-	MG996900)	(Supplementary	Figure	S2.1).	

	

2.4.2.	Taxonomic	assignment	

By	curating	 the	 total	number	of	OTUs	with	 the	post-clustering	algorithm	(LULU)	

and	filtering	out	contaminants,	I	reduced	the	number	of	clustered	OTUs	from	65	to	

17	 (26%	retained)	but	with	no	 loss	of	 taxonomic	diversity.	All	OTUs	matched	 to	

native	Bornean	mammalian	taxa,	and	there	were	no	unexpected	taxa	in	my	results.	

Of	the	17	OTUs,	14	matched	with	high	similarity	to	the	reference	sequences	with	

>90%	 similarity	 (Table	 2.2).	 Two	 of	 the	 remaining	 OTUs	 (OTU49	 and	 OTU21)	

matched	 less	well	 to	 a	 reference	 sequence	 (both	 at	 79%)	 but	were	 consistently	

assigned	to	langur	(Colobinae)	and	gibbon	(Hylobatidae),	respectively.	I	also	found	

one	OTU	with	a	match	that	could	not	be	resolved	beyond	the	subfamily	Cervinae,	

matching	equally	 to	both	 the	 cervid	genera	 that	occur	at	 the	site	 (Muntiacus	 and	

Rusa).	
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Table	2.2.	Taxonomic	identity	assigned	to	the	unique	Operational	Taxonomic	Units	(OTUs)	which	were	generated	from	MiSeq	amplicon	sequencing	
and	bioinformatic	filtering.	The	level	of	confidence	in	each	assignment	is	shown	by	%	identity	match	given	by	BLAST	and	the	bit	score	from	MEGAN.	
If	two	different	OTUs	share	the	same	taxonomic	identity,	values	for	both	are	given	separated	by	a	/	

Common	name	 Order	 Family	(subfamily)	 Taxa	assigned	 OTU	 %	Identity	 Bit	Score	

Unknown	deer	 Cetartiodactyla	 Cervidae	(Cervinae)	 	Cervinae	 	OTU18	 97	 143	

Sambar	deer	 Cetartiodactyla	 Cervidae	 Rusa	unicolor	 OTU4	 100	 171	

Muntjac	 Cetartiodactyla	 Cervidae	 Muntiacus	sp	 OTU5/	OTU7	 91/90	 159/154	

Bearded	pig	 Cetartiodactyla	 Suidae	 Sus	barbatus	 OTU2	 100	 174	

Mousedeer	 Cetartiodactyla	 Tragulidae	 Tragulus	sp	 OTU6	 99	 171	

Banded	civet	 Carnivora	 Viverridae	(Hemigalinae)	 Hemigalus	derbyanus	 OTU8	 100	 178	

Malay	civet	 Carnivora	 Viverridae	(Viverrinae)	 Viverra	tangalunga	 OTU12	 100	 178	

Moonrat	 Eulipotyphla	 Erinaceidae	 Echinosorex	gymnura	 OTU10	 100	 171	

Macaque	 Primate	 Cercopithecidae	(Cercopithecinae)	 Macaca	sp	 OTU9/	OTU29	 95/97	 141/154	

Leaf	monkey	 Primate	 Cercopithecidae	(Colobinae)	 Trachypithecus	sp	 OTU49	 79	 60	

Gibbon	 Primate	 Hylobatidae	 Hylobates	sp	 OTU21	 79	 60	

Porcupine	 Rodentia	 Hystricidae	 Hystrix	sp	 OTU13/OTU71	 91/97	 167/148	

Long-tailed	
porcupine	

Rodentia	 Hystricidae	 		Trichys	fasciculata	 OTU15	 90	 161	

Rat	 Rodentia	 Muridae	 Rattus	sp	 OTU86	 99	 163	

48	
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Eight	mammalian	taxa	were	common	to	both	leech	species	(Figure	2.3),	of	which	

the	most	prevalent	were	the	Bornean	sambar	deer	(Rusa	unicolor)	and	bearded	pig	

(Sus	 barbatus),	 followed	 by	 the	 muntjac	 (Muntiacus	 sp.)	 and	 the	 mousedeer	

(Tragulus	sp.)	(Figure	2.3).	Other	taxa	were	detected	in	both	leech	species	but	with	

fewer	 detections	 in	 the	 brown	 leech	 (H.	 sumatrana)	 than	 in	 the	 tiger	 leech	 (H.	

picta):	 banded	 civet	 (Hemigalus	 derbyanus),	 moonrat	 (Echinosorex	 gymnura),	

macaque	(Macaca	sp.)	and	gibbon	(Hylobates	sp.).	Additionally,	I	found	four	taxa	in	

Figure	2.3.	A	comparison	of	the	abundance	of	detections	for	different	mammal	taxa	
identified	using	tiger	leech	samplers	(H.	picta,	light	grey)	compared	with	brown	leech	
samplers	(H.	sumatrana,	dark	grey).	*	indicates	the	two	cases	where	the	sequence	has	
a	poor	but	consistent	match	to	the	reference	database	(<90%	identity).	†	indicates	the	
sequence	with	the	best	match	to	both	cervid	genera	(Rusa	and	Muntiacus)	therefore	
cannot	be	identified	to	species.	
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the	 tiger	 leech	 that	were	 not	 found	 in	 the	 brown	 leech:	 the	Malay	 civet	 (Viverra	

tangalunga)	and	three	rodents	(two	porcupine	genera,	Hystrix	and	Trichys	as	well	

as	one	Rattus	 sp).	Finally,	 the	 langur	(Colobinae)	was	only	detected	 in	the	brown	

leech.		

	

2.4.3.	Mammal	diversity	in	leech	diets	

There	was	a	greater	 total	number	of	detections	 in	 twice-logged	 forest	 in	H.	picta	

than	H.	 sumatrana	 but	very	 similar	detection	 levels	 for	both	 leech	species	 in	 the	

heavily	logged	forest	(Figure	2.4A).	These	trends	were	also	reflected	in	most	of	the	

individuals	blocks	sampled	(Figure	2.4B).	The	results	of	the	GLM	indicated	that	the	

number	 of	 mammal	 detections	 per	 pool	 was	 determined	 by	 leech	 species,	 with	

more	 detections	 in	H.	 picta,	 but	 not	 by	 either	 habitat	 type	 or	 block	 (Table	 2.3,	

alternative	model	 summaries	 in	 Supplementary	 Table	 S2.3).	Model	 comparisons	

suggested	that	the	two	best-fitting	models,	each	with	similar	AIC	values,	contained	

leech	 species	 alone	 (F2,88	 =20.86,	 p	 <	 0.05)	 and	 leech	 plus	 habitat	 type	 (F1,88	 =	

30.28,	p	=	0.202).	However,	while	the	latter	model	was	associated	with	the	best	fit	

(adj-R2	 =	 0.31),	 leech	 species	was	 the	only	 significant	 single	 predictor	 (Table	 3).	

Considering	 taxonomic	 representation,	H.	 picta	 samples	 a	 greater	 proportion	 of	

orders	(5/5),	 families	(8/9)	and	genera	(12/14)	detected	 in	this	study	compared	

with	H.	sumatrana	(orders	=	4/5,	families	=	7/9	and	genera	=	9/14).	Of	the	species	

which	 could	 be	 identified,	 H.	 picta	 detects	 all	 six	 representatives	 while	 H.	

sumatrana	detects	four.		
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Table	 2.3.	 Summary	 output	 of	 the	 Poisson	 generalised	 linear	 models	 with	 the	
lowest	 AIC	 values	 out	 of	 the	 possible	 candidate	 models.	 The	 models	 include	 the	
effect	of	the	variables	of	the	leech	sampler	species	(brown	or	tiger)	and	habitat	type	
on	 the	 total	 number	 of	 mammal	 detections	 found	 in	 the	 leech	 blood-meal.	 The	
parameter	 estimate	 is	 given	with	 the	 corresponding	 standard	 error.	 The	 F-value	
and	the	p-value	are	given.	*	shows	significance	where	α	=	0.05	

	 Model1	 	 Model2	

	 Estimate	
(±	SE)	

F	
value	

p-
value	

	 Estimate	
(±	SE)	

F	
value	

p-
value	

Intercept	 0.77	(0.086)	 79.62	 >0.05*	 	 0.83	(0.070)	 138.58	 >0.05*	

Species	 0.22	(0.092)	 5.43	 0.022	 	 0.20	(0.091)	 4.69	 0.032	

Habitat	 0.12	(0.092)	 1.65	 0.202	 	 -	 -	 -	

AIC	 295.65	 	 	 	 294.42	 	 	

Adj-R2	 0.31	 	 	 	 0.25	 	 	
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2.4.4.	Accumulation	of	taxonomic	richness	

Accumulation	 curves	based	on	 three	metrics	of	mammalian	diversity	 (equivalent	

to	 raw	 species	 richness,	 Shannon-Weiner	 index	 and	 Simpson	 diversity)	 showed	

consistent	 differences	 among	 the	 leech	 species.	 In	 each	 case,	 tiger	 leeches	

consistently	 sampled	 around	 40%	 more	 diversity	 than	 did	 the	 brown	 leeches	

(Figure	2.5).	Comparing	these	accumulation	curves	to	corresponding	curves	based	

on	 pooled	 leeches	 suggested	 that	H.	 sumatrana	 contained	 a	 subset	 of	 taxa	 of	 H.	

picta,	with	almost	no	additional	diversity	obtained	by	 combining	data	 from	both	

leeches	over	that	recorded	for	H.	picta	alone.	

	 	

Figure	2.4.	Total	count	of	mammal	detections	 found	 in	the	blood	meals	of	each	
leech	species,	H.	picta	=	light	grey	bars	and	H.	sumatrana,	dark	grey	bars.	(A)	the	
total	 detections	 depending	 on	 each	 forest	 type,	 either	 twice-logged	 or	 heavily	
logged	and	(B)	shows	the	total	detections	split	by	each	block	from	within	the	two	
forest	types	



	

	

53	

	 	

Figure	 2.5.	 Diversity	 accumulation	 curves	 for:	 (A)	 both	 leech	 species	
together,	 (B)	 tiger	 leeches	 only	 (H.	 picta)	 and	 (C)	 brown	 leeches	 only	 (H.	
sumatrana).	 Each	 row	 shows	 the	 accumulation	 of	 mammal	 genera	 with	
increasing	detections	using	the	three	hill	numbers,	q	=	0,	1,	2	(corresponding	
to	species	richness,	Shannon	diversity	index	and	Simpson	index	respectively).	
Curves	are	presented	with	84%	confidence	 intervals,	which	 is	 equivalent	 to	
significance	 where	 α	 =	 0.05	 (MacGregor-Fors	 &	 Payton	 2013)	 and	
extrapolated	to	125	samples	(dashed	lines)	following	Chao	et	al.	(2014)	
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2.4.5.	Estimates	of	local	biodiversity	between	samplers		

Visualising	the	differences	in	beta-diversity	using	NMDS	showed	some	separation	

between	the	community	of	mammals	detected	in	the	two	habitat	types,	twice-	and	

heavily	 logged	forest	(Figure	2.6A).	When	the	data	points	were	grouped	by	 leech	

species	I	found	considerable	overlap	in	the	mammal	communities	sampled	(Figure	

2.6B).	Despite	 some	 apparent	 separation	with	 habitat,	 the	 PERMANOVA	 analysis	

found	no	 significant	 difference	 between	 either	 of	 the	 factors	 or	 their	 interaction	

(Figure	2.6).	

	 	



	

	

55	

	 	

Figure	 2.6.	 Non-metric	 Multi-Dimensional	 Scaling	 (NMDS)	 ordination	 plots	
showing	 the	 Bray	 Curtis	 dissimilarity	 between	 the	 mammal	 communities	
identified	 in	 the	 leech	 blood-meals	 depending	 on	 (A)	 habitat	 types	 and	 (B)	
leech	species.	Stress	of	the	NMDS	=	0.05.	Ellipses	represent	the	standard	error	
of	 the	 ordination.	 Inset	 values	 show	 the	 parameter	 estimates	 from	 the	
corresponding	 PERMANOVA	 test	 showing	 the	 non-significance	 between	 the	
groupings	and	the	interaction	where	α	=	0.05		
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2.5.	Discussion	

	

The	use	of	invertebrates	as	iDNA	samplers	of	vertebrates	is	gaining	interest,	and	in	

this	 study,	 I	 systematically	 assessed	 the	 relative	 utility	 of	 two	 congeneric	

haemadipsid	species,	tiger	(Haemadipsa	picta)	and	brown	(H.	sumatrana)	leech	for	

detecting	 local	 mammal	 diversity.	 Using	 spatially	 matched	 samples	 for	 the	

detection	 of	 mammals	 in	 a	 degraded	 forest	 habitat	 in	 North	 Borneo,	 Southeast	

Asia,	I	analysed	over	1000	individual	leeches	from	the	two	species,	sampled	at	88	

sites	 across	 the	 landscape	 which	 revealed	 the	 presence	 of	 terrestrial	 mammal	

species	from	nine	families	spanning	five	orders.		

	

2.5.1.	Leech-derived	iDNA	from	Haemadipsa	picta	versus	H.	sumatrana	

I	 found	 a	 high	degree	 of	 overlap	 in	 the	mammalian	 species	 richness	 detected	 in	

both	H.	picta	and	H.	sumatrana	diets.	The	most	abundant	detections	correspond	to	

the	large	common	species	found	in	the	area	such	as	sambar	deer	and	bearded	pig.	

However,	of	 these	 leech	species,	H.	picta	has	a	 significantly	higher	detection	rate	

compared	to	H.	sumatrana.	There	are	nine	overlapping	mammal	taxa	in	both	leech	

species,	 but	 four	 taxa	were	 only	 specific	 to	H.	 picta,	 including	 all	 of	 the	 rodents	

detected.	Sampling	with	H.	picta	results	in	a	greater	coverage	of	the	total	mammal	

community.	 By	 directly	 comparing	 the	 accumulation	 curves	 for	 a	 fixed	 sampling	

effort,	 i.e.	 same	 number	 of	 equally	 sized	 leech	 pools,	 I	 found	 the	 detection	 of	 a	

greater	 diversity	 of	 effective	 numbers	 of	 species	 using	H.	 picta	 compared	 to	H.	

sumatrana.	 However,	while	 there	 is	 a	 greater	abundance	 of	 detections,	 I	 did	 not	

detect	 a	 significant	 difference	 in	 the	 community	 composition	 using	 either	 leech	

sampler.		

	

Feeding	 strategies	 have	 been	 suggested	 to	 affect	 iDNA	 detection	 (Schnell	 et	 al.	

2015a)	and	H.	picta	and	H.	sumatrana	show	clear	differences	in	their	searching	and	

feeding	behaviour;	H.	sumatrana	is	almost	exclusively	found	at	ground	level	and	is	

camouflaged	 in	 the	 leaf	 litter,	 whereas	 H.	 picta	 tends	 to	 wait	 on	 leaves	 in	 the	

undergrowth	 and	 thus,	 together	with	 its	more	 striking	markings	 is	 easier	 to	 see	

and	 collect	 during	 sampling	 (Fogden	 &	 Proctor	 1985).	 Taking	 these	 points	

together,	I	suggest	that	of	the	two	species	examined,	H.	picta	represents	the	more	
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suitable	iDNA	sampler	in	our	study	area,	due	to	the	greater	abundance	of	positive	

detections	coupled	with	favourable	behavioural	traits	for	rapid	sampling.		

	

2.5.2.	Detection	of	mammalian	diversity		

Although	medium	to	large	mammals,	especially	ungulates,	were	well	represented	

in	 the	 sequence	 data,	 it	 was	 noticeable	 that	 very	 few	 small	 mammals	 were	

detected.	 In	 particular,	 non-volant	 mammals	 from	 three	 families,	 Tupaiidae	

(treeshrews),	Scuiridae	(squirrels)	and	Muridae	(mice	and	rats)	were	not	detected	

in	any	of	the	leech	samples	and	yet	are	known	to	occur	in	the	study	area	(Wearn	et	

al.	2017).	While	my	study	is	based	on	presence-only	data,	and	thus	non-detection	

cannot	be	used	 to	 infer	absence	 from	 the	habitat,	 it	 is	noteworthy	 that	 a	 similar	

lack	of	Bornean	small	mammals	was	also	recently	reported	by	Schnell	et	al.	(2018).	

These	 authors	 compared	 iDNA	 from	 leech	 blood	 meals	 sampled	 from	 a	 broad	

geographical	 scale,	 and	 were	 able	 to	 detect	 treeshrews,	 squirrels	 and	 murid	

rodents	 in	mainland	 Southeast	 Asia,	Madagascar	 and	 Australia,	 but	 not	 in	 leech	

samples	from	Borneo.	In	addition,	representatives	of	rodents	and	treeshrews	were	

detected	in	a	study	of	200	leeches	from	Bangladesh	based	on	Sanger	sequencing	of	

the	 16S	 rRNA	 marker	 (Weiskopf	 et	 al.	 2017).	 A	 recent	 study	 by	 Tessler	 et	 al.	

(2018)	 also	 confirmed	 detections	 of	 these	 small	 mammal	 groups	 in	 China	 and	

Bangladesh.	The	absence	of	 these	 taxa	 from	Bornean	 leeches	might	 indicate	 that	

haemadipsid	leeches	in	Borneo	are	behaving	differently	to	their	congeners	in	other	

parts	of	Asia.		

	

As	small	mammals	 form	a	 large	part	of	 the	mammalian	biomass	 in	Borneo	and	a	

rich	 diversity	 of	 species	 are	 known	 to	 occupy	 the	 forest,	 the	 lack	 of	 detection	

specifically	 in	 Borneo	 is	 intriguing.	 The	 reference	 database	 contained	 several	

representative	sequences	from	all	the	small	mammal	families,	so	this	is	unlikely	to	

be	 a	 consequence	 of	missing	 reference	 data	 but	 in	 fact	 could	 reflect	 size-related	

feeding	preference	shown	by	Bornean	haemadipsids	in	particular.	Whether	or	not	

leeches	actively	prey	on	large	mammals	or	are	more	easily	detected	and	ejected	by	

small	 mammals,	 is	 not	 known.	 Moreover,	 the	 underrepresentation	 of	 nocturnal	

mammals,	such	as	murid	rodents,	cannot	be	explained	by	the	timing	of	my	surveys	

which	were	 conducted	 during	 the	 day,	 since	 both	 of	 the	 focal	 leech	 species	 are	
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active	 during	 both	 day	 and	 night.	 Regardless	 of	 the	 underlying	 causes	 of	 the	

observed	 patterns	 of	 detection,	my	 data	would	 indicate	 that	 for	 the	 purposes	 of	

biodiversity	 surveys,	 Bornean	 leeches	 appear	 not	 to	 passively	 sample	 all	 non-

volant	mammals	 in	 their	 environment,	 as	has	been	previously	 suggested.	Thus,	 I	

recommend	 that	 future	 iDNA	 studies	 should	 include	 assessments	 of	 how	 the	

ecology	 and	 behaviour	 of	 the	 chosen	 invertebrate	 sampler	 might	 influence	 any	

results.		

	

2.5.3.	Imperfect	detections	and	temporal	resolution	

A	major	issue	with	the	use	of	iDNA	for	biodiversity	monitoring	is	imperfect	species	

detection	resulting	 from	problems	of	 false	detections,	both	positive	and	negative.	

This	 is	 discussed	 in	 the	wider	 literature	 concerning	 environmental	DNA	 (eDNA)	

(Roussel	et	al.	 2015;	Deiner	et	al.	 2017)	and	also	 for	 iDNA	studies	 (Schnell	et	al.	

2015a).	 I	 took	many	 steps	 to	 optimise	 the	 trade-off	 between	 false	 positives	 and	

negatives;	 for	 example	 using	 technical	 replicates	 to	 increase	 detection	 rates	 and	

reduce	 false	 negatives	 (Ficetola	 et	 al.	 2016)	 while	 removing	 spurious	 tag	

combinations	(Schnell	et	al.	2015b)	and	using	conservative	bioinformatic	filtering	

to	reduce	false	positives	(Alberdi	et	al.	2017).		

	

Imperfect	detection	of	iDNA	is	also	likely	to	be	influenced	by	aspects	of	the	biology	

of	 the	 sampler.	 Indeed,	 the	 rate	 of	 digestion	 of	 the	 blood-meal	 and	 intervals	

between	 feeding	 events	 will	 affect	 the	 window	 of	 DNA	 detection	 (Schnell	 et	 al.	

2015a).	 For	 the	 medicinal	 leech	 (Hirudo	 medicinalis)	 the	 detection	 window	 has	

been	 empirically	 tested	 and	 shown	 to	 be	 at	 least	 120	 days	 for	 mammal	 DNA	

(Schnell	et	al.	2012),	and	up	to	50	days	for	mammalian	viral	DNA	(Kampmann	et	al.	

2017).	However,	H.	medicinalis	is	a	larger-bodied	taxon	than	Haemadipsa	spp.,	with	

different	ecology	and	behaviours,	and	the	detection	window	remains	unknown	for	

the	 focal	 leech	 species.	 Therefore,	 I	 do	 not	 know	 the	 temporal	 resolution	 of	 the	

mammal	detections,	and,	while	this	may	be	shorter	than	120	days	for	Haemadipsa	

spp.,	 I	 have	 only	 retained	 the	 most	 abundant	 OTUs	 per	 sample	 (removal	 of	

singletons	etc)	this	is	likely	going	to	limit	vertebrate	detection	to	the	most	recent	

blood-meal	 only	 and	 potentially,	 standardise	 the	 time-frame	 of	 our	 detections	

between	leech	pools.		
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Previous	studies	have	used	several	different	molecular	 techniques	 for	identifying	

iDNA,	including	PCR-only	(Lee	et	al.	2015),	qPCR	(Kampmann	et	al.	2017),	Sanger	

sequencing	(Schnell	et	al.	2012)	or	shot-gun	sequencing	of	 individuals	(Gómez	&	

Kolokotronis	 2016)	 and	 high	 throughput	 sequencing	 (HTS)	 of	 amplicon	 pools	

(Calvignac-Spencer	 et	 al.	 2013b).	 Here	 my	 results	 independently	 confirm	 the	

observation	 by	 Schnell	 et	 al.	 (2018)	 that	 sample	 throughput	 can	 be	 successfully	

maximised	 by	 pooling	 individual	 DNA	 extracts	 before	 screening	 for	 iDNA,	 a	

technique	 that	 allowed	me	 to	 conduct	 such	a	comprehensive	 investigation	of	 the	

area.	By	only	sequencing	leech	pools	that	contained	successfully-amplified	DNA,	I	

was	able	 to	maximise	cost-effectiveness	 in	 the	study.	At	 the	same	time,	however,	

pooling	 represents	 a	 trade-off;	 by	 not	 determining	 the	 feeding	 behaviour	 of	

individual	 leeches	within	the	pool,	 the	 importance	of	some	mammalian	prey	may	

be	under	estimated.	Discerning	the	consequences	of	pooling	for	iDNA	detection	in	

leeches	 is	 an	 important	 consideration	 when	 applying	 these	 technologies	 in	

conservation	monitoring	programmes.	

		

2.5.4.	Leeches	in	human-modified	forests	

I	sampled	leeches	in	a	degraded	human-modified	landscape,	which	is	becoming	a	

typical	 ecosystem	 in	 Southeast	 Asia	 and	 has	 been	 associated	 with	 a	 different	

mammalian	 composition	 compared	 to	 primary	 rainforest	 (Wearn	 et	 al.	 2017).	

Using	 iDNA,	 there	 was	 a	 30-40%	 overlap	 in	 genera	 detected	 compared	 to	 two	

camera	trapping	studies	which	were	conducted	at	the	same	field	site	(Deere	et	al.	

2017;	Wearn	et	al.	2017).	With	a	much	shorter	field	sampling	campaign	compared	

to	 the	 comprehensive	 camera	 trapping	 of	 these	 two	 studies,	 this	 highlights	 the	

potential	 of	 the	 iDNA	 method	 as	 a	 rapid	 and	 complementary	 sampling	 tool.	

Detecting	diversity	in	leech	diets	is	affected	by	many	factors.	One	such	factor	being	

the	restriction	of	terrestrial	leeches	to	areas	with	high	humidity	as	a	consequence	

of	 their	evolutionary	history	(Borda	&	Siddall	2004)	and	as	 I	 found	in	this	study,	

some	heavily	degraded	and	open	forest	plots	yielded	no	leeches	on	multiple	visits.	

While	 it	 is	unknown	how	leech	populations	will	be	affected	with	 increasing	 land	

use	 change,	 temperature	 increases	 and	 humidity	 decreases	 as	 forests	 are	

fragmented	(Hardwick	et	al.	2015)	and	logging	has	already	been	shown	to	affect	a	

wide	range	of	invertebrates	(Ewers	et	al.	2015).	As	such,	it	is	likely	that	land-use	
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change	will	have	a	detrimental	effect	on	terrestrial	leech	populations.	It	might	be	

beneficial	 therefore	 to	 test	 alternative	 invertebrate	 samplers,	 such	 as	 blow-flies,	

which	are	found	in	a	greater	variety	of	habitats	(Calvignac-Spencer	et	al.	2013b).		

	

One	 observable	 consequence	 of	 sampling	 leeches	 in	 logged	 forests	was	 the	 high	

proportion	of	human	DNA	detected	in	my	samples	(45%	of	samples	with	>10%	of	

total	copy	number).	Human	activity	is	high	in	degraded	forests	(also	see	Weiskopf	

et	 al.	 2017)	 especially	 around	 the	 SAFE	project	 field	 site,	where	 there	 are	 semi-

permanent	forestry	and	oil-palm	settlements	scattered	throughout	the	landscape.	

Thus,	 I	 would	 assume	 human	 blood-meals	 are	 sustaining	 leech	 populations	 in	

degraded	landscapes.		

	

2.6.	Conclusion		

It	 is	 important	 to	understand	 how	 invertebrate	 behaviours	will	 introduce	 biases	

and	affect	the	biodiversity	estimates	from	iDNA	monitoring.	By	exploring	the	diets	

of	 two	 leech	 species,	 I	 found	 that	 they	 are	 not	 equal	 in	 their	 ability	 to	 detect	

mammals.	 Therefore,	 I	 would	 recommend	 that	 in	 the	 forests,	 where	 the	 focal	

leeches	 are	 co-occurring,	 H.	 picta	 is	 the	 more	 effective	 iDNA	 sampler	 for	 both	

molecular	and	behavioural	reasons.	However,	in	habitats	where	only	H.	sumatrana	

is	found,	iDNA	recovered	from	this	species	should	be	sufficient	to	detect	common	

mammals.	The	lack	of	small	mammal	detections	from	their	diets,	shows	how	little	

we	know	about	terrestrial	leech	behaviours.	As	such	I	emphasise	the	need	to	for	a	

greater	 ecological	 understanding	 invertebrate	 sampler	 of	 choice	 and	 how	 the	

species	interacts	with	the	environment.	I	would	recommend	more	studies,	such	as	

this	one,	 especially	 if	 the	ultimate	goal	 is	 for	 conservation	monitoring.	For	 these	

particular	 leech	 species,	 this	 study	 adds	 to	 the	 understanding	 of	 their	 feeding	

ecology	 for	which	previously	 there	was	 little	known	and	puts	us	a	step	 closer	 to	

utilising	 iDNA	 in	 future	monitoring	 programmes.	 Finally,	 few	 iDNA	 studies	 have	

considered	 the	 effects	 of	 over-harvesting	 invertebrate	 sampler	 species,	 and	 the	

conservation	 implications	 of	 this	 are	 not	 known	 (see	 Schnell	 et	 al.	 2015a).	 In	

general,	the	role	of	leeches	in	the	ecosystem	is	poorly	understood;	thus,	I	advocate	

to	 reduce	 the	 numbers	 extracted,	 in	 areas	 of	 Borneo	 where	 H.	 picta	 and	 H.	

sumatrana	co-occur,	only	H.	picta	is	needed	to	sample	the	community	of	mammals.	
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2.7	Supplementary	Information	
	

Additional	 OTU	 sequences	 and	 OTU	 tables	 can	 be	 found	 online	 at	 the	 NERC	

Environmental	 Information	 Data	 Centre,	 with	 the	 associated	 DOI:	

10.5285/3affed0d-fe6f-4916-89e3-e672639191e5	
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Supplementary	tables	

Table	S2.1.	Description	of	the	novel	sequences	generated	for	this	study.	Table	shows	the	tissue	origin	and	accession	number	from	NCBI	GenBank.	
Institution	 ID’s	 are	 MNHM	 =	 Muséum	 National	 d'Histoire	 Naturelle,	 Paris,	 FR;	 USNM	 =	 Smithsonian	 National	 Museum	 of	 Natural	 History,	
Washington,	USA;	BZM	=	Museum	 fur	Naturkunde,	Berlin,	GER;	ROM	=	Royal	Ontario	Museum,	Toronto,	CA;	NHM	=	Natural	History	Museum,	
London,	UK;	FMHN	=	Field	Museum,	Chicago,	USA.	The	Chinese	ferret	badger	sequence,	though	not	native	in	Borneo,	was	used	as	an	alternative	
closely	related	sister	species	to	the	Bornean	ferret	badger	for	which	there	was	no	sequence	available.	

Common	name	 Family	 Genus	 Species	 Origin	 Institution	 Accession	number	

Clouded	leopard	 Felidae	 Neofelis	 nebulosa	 Ménagerie,	MNHN		 MNHN	 MG996889	

Short	tailed	mongoose	 Herpestidae	 Urva	 brachyura	 Malaysia,	Borneo	 USNM	 MG996890	

Collared	mongoose		 Herpestidae	 Urva	 semitorquata	 Borneo	 BZM	 MG996891	

Chinese	ferret	badger	 Mustelidae	 Melogale	 moschata	 Vietnam	 ROM	 MG996892	

Malay	weasel	 Mustelidae	 Mustela	 nudipes	 Malaysia	 MNHN	 MG996893	

Banded	linsang	 Prionodontidae	 Prionodon	 linsang	 Cincinnati	Zoo	 MNHN	 MG996894	

Small-toothed	palm	civet	 Viverridae	 Arctogalidia	 trivirgata	 Ménagerie,	MNHN		 MNHN	 MG996895	

Hose's	civet	 Viverridae	 Diplogale	 hosei	 Borneo	 NHM	 MG996896	

Banded	civet	 Viverridae	 Hemigalus	 derbyanus	 Indonesia,	Borneo	 MNHN	 MG996897	

Common	palm	civet	 Viverridae	 Paradoxurus	 hermaphroditus	 Indonesia,	Borneo	 ROM	 MG996898	

Malay	civet	 Viverridae	 Viverra	 tangalunga	 Philippines	 FMNH	 MG996899	

Common	treeshrew	 Tupaiidae	 Tupaia	 glis	 Thailand	 MNHN	 MG996900	
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Table	 S2.2.	 List	 of	 species	which	were	 included	 in	 the	 16S	 reference	 database	 used	 to	 taxonomically	 identify	 OUT	 sequences,	 these	 species	 are	
additional	to	the	native	Bornean	mammals,	and	representative	of	human	associated,	invasive	and	non-mammalian	species	

Common	name	 Species	name	 Reason	for	inclusion	

African	civet	 Civettictis	civetta	 Only	one	record	for	Malay	civet,	sister	taxa	

Indian	crested	porcupine	 Hystrix	indica	 Only	one	record	for	Malay	porcupine,	no	records	for	thick-spined	porcupine,	sister	taxa	

Giraffe	 Giraffa	camelopardalis	 Used	as	positive	control,	divergent	to	Bornean	species	

Domestic	cattle	 Bos	taurus	 Potentially	present	in	the	area,	human	associated	

Malaysian	field	rat	 Rattus	tiomanicus	 Potentially	present	in	the	area,	human	associated	

Brown	rat	 Rattus	norvegicus	 High	probability	species	is	present,	human	associated	

House	rat	 Rattus	rattus	 High	probability	species	is	present,	human	associated	

House	mouse	 Mus	musculus	 High	probability	species	is	present,	human	associated	

Domestic	dog	 Canis	lupus	familiaris	 Presence	confirmed	at	the	field	site	

Domestic	cat	 Felis	sylvestris	 Presence	confirmed	at	the	field	site	

Bent	toe	gecko	 Gehyra	mutilata	 Representative	common	gecko	sequence;	potential	blood	meal	

Asian	house	gecko	 Hemidactylus	frenatus	 Representative	common	gecko	sequence;	potential	blood	meal	

Chicken	 Gallus	gallus	 Representative	common	bird	sequence;	presence	confirmed	at	the	field	site;	potential	blood	meal	

Monitor	lizard	 Varanus	salvator	 Presence	confirmed	at	the	field	site;	potential	blood	meal	

Freshwater	fish	 Leprobarbus	hovenii	 Representative	common	fish	sequence	
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Table	S2.3.	Model	structures	for	the	candidate	Poisson	generalised	linear	models	for	testing	the	effects	of	habitat	type,	leech	species,	site,	and	
two	interactions	(habitat	type	and	leech	species,	and	site	and	leech	species)	on	the	overall	count	of	mammal	detections	in	leech	blood-meals.	
The	values	of	AIC,	degrees	of	freedom	(DF),	the	delta	AIC	between	the	best	fitting	model	and	the	model	set	(ΔAIC),	the	residual	deviance	(Res.	
dev)	and	the	adjusted	R2	is	given	for	each	model	in	the	candidate	set	

Model	structure	 AIC	 DF	 ΔAIC	 Res.	dev	 Adj	-	R2	

Habitat	+	Leech	+	Site	+	Habitat:Leech	+	Site:Leech	 307.25	 11	 12.8	 37.5	 0.55	

Habitat	+	Leech	+	Site	+	Site:Leech	 307.25	 11	 12.8	 37.5	 0.55	

Habitat	+	Leech	+	Site	+	Habitat:Leech	 302.60	 8	 8.2	 38.8	 0.51	

Habitat	+	Leech	+	Site		 301.25	 7	 6.8	 39.5	 0.	50	

Leech	+	Habitat	 295.65	 3	 0	 42.6	 0.31	

Leech	+	Site	 301.25	 7	 6.8	 39.5	 0.50	

Leech	 294.41	 2	 1.2	 41.9	 0.25	
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Supplementary	figures	

	

	

	 	
Figure	S2.1.	Summary	of	number	of	records	 included	 in	the	16S	rRNA	reference	
database	used	to	identify	taxa	from	leech	blood	meals.	The	height	of	the	bar	shows	
the	number	of	individual	records	for	that	mammalian	family	which	were	included	
in	the	database,	gathered	from	the	NCBI	database	or	generated	for	this	study.	The	
bars	are	coloured	according	to	mammalian	order	
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Figure	S2.2.	Diversity	accumulation	curves	with	95%	confidence	intervals	for:	(A)	
both	leech	species	together,	(B)	tiger	leeches	only	(H.	picta)	and	(C)	brown	leeches	
only	 (H.	 sumatrana).	Each	 row	shows	 the	accumulation	of	mammal	genera	with	
increasing	detections	using	the	three	hill	numbers,	q	=	0,	1,	2	(corresponding	to	
species	 richness,	 Shannon	 diversity	 index	 and	 Simpson	 index	 respectively).	
Curves	are	extrapolated	to	125	samples	(dashed	lines)	(Chao	et	al.	2014)	
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Chapter	3:	Spatio-temporal	changes	in	mammal	diversity	in	a	

degraded	human-modified	tropical	landscape,	an	iDNA	approach	

3.1.	Abstract	

	

Degraded	 forests	 dominate	 tropical	 landscapes	 outside	 of	 protected	 areas,	 and	

there	is	now	an	urgent	need	to	understand	the	biodiversity	and	conservation	value	

of	 these	 habitats.	While	 both	 traditional	 survey	methods	 and	 newer	 approaches	

such	 as	 camera	 trapping	 have	 been	 invaluable	 for	 conservation,	 many	 faunal	

groups	in	the	tropics	can	still	be	a	challenge	to	monitor.	This	is	especially	true	of	

forest	mammals,	many	of	which	are	elusive	and	nocturnal.	Emerging	non-invasive	

molecular	sampling	methods,	including	those	based	on	invertebrate-derived	DNA,	

offer	 new	 opportunities	 for	 monitoring	 biodiversity,	 and	 have	 the	 potential	 to	

become	valuable	additions	to	 the	ecologist’s	conservation	toolbox.	Here	I	use	the	

blood-feeding	terrestrial	 leech	Haemadipsa	picta	as	a	sampler	of	 forest	mammals	

to	 assess	 changes	 in	 diversity	 across	 a	 forest	 degradation	 gradient	 in	 Sabah,	

Malaysian	Borneo.	I	screened	over	1700	individual	leeches	collected	in	a	dry	and	

wet	season,	for	mammal	DNA,	by	targeting	a	small	(~95bp)	fragment	of	16S	rRNA	

gene,	 which	 was	 amplified	 and	 sequenced	 for	 pools	 of	 leeches.	 I	 identified	

mammals	 to	 genus-level	 using	 a	 reference	 database	 of	 Bornean	 mammals	 and	

detected	a	total	of	17	genera	from	181	pooled	samples	collected	across	the	habitat	

gradient.	The	proportional	phylogenetic	richness	of	both	orders	and	families	was	

higher	 in	 the	wet	 season	 compared	 to	 the	 dry	 season.	 I	 also	 found	 a	 significant	

effect	 of	 season	 on	 community	 composition.	 Despite	 this,	 I	 found	 no	 significant	

effect	of	vegetation	variables	such	as	canopy	height	and	aboveground	biomass	on	

mammal	species	richness.	By	detecting	broad	spatial	and	temporal	differences	 in	

the	 mammal	 community	 across	 a	 degradation	 gradient,	 my	 findings	 show	 that	

iDNA	sequenced	from	terrestrial	leeches	can	detect	local-scale	changes	in	diversity	

and	 additional	 taxa	 compared	 to	 camera	 traps.	 In	 practice,	 leech-based	 surveys	

have	 the	 potential	 to	 complement	 other	 conservation	 monitoring	 techniques	 to	

detect	 fine-scale	 diversity	 responses	 to	 human-mediated	 tropical	 forest	

degradation.	 	
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3.2.	Introduction	

	

3.2.1.	Degraded	forest	landscapes		

Across	the	wet	tropics,	recent	years	have	seen	a	trend	of	increasing	anthropogenic	

deforestation	 (Hansen	 et	 al.	 2013)	 and	 associated	 activities	 leading	 to	 forest	

degradation	(Lewis	et	al.	2015).	The	threats	to	tropical	forests	are	numerous,	and	

these	ecosystems	are	vulnerable	to	both	local	and	climatic	stressors	(Barlow	et	al.	

2018).	 Forest	 degradation	 is	 a	 particularly	 grave	 concern	 across	 Southeast	 Asia	

which	harbours	a	high	diversity	of	endemic	species	yet	a	low	percentage	of	forest	

is	protected	(Sodhi	et	al.	2010).	Predictions	for	the	future	look	bleak	for	this	region	

with	estimations	of	vertebrate	extinctions	as	high	as	85%	by	2100	based	on	simple	

species-area	relationships	(Sodhi	et	al.	2010).	Both	oil	palm	plantation	expansion	

and	unsustainable	logging	practices	are	the	biggest	contemporary	drivers	of	forest	

loss	 in	 the	 region	 (Stibig	et	 al.	 2014),	with	degraded	 forests	 being	 vulnerable	 to	

conversion	to	oil	palm	plantations	(Edwards	et	al.	2011).	Yet	despite	these	trends,	

there	 is	 that	 these	 habitats	 can	 still	 support	 biodiversity,	 and	 have	 greater	

conservation	value	in	comparison	to	agricultural	landscapes	(Edwards	et	al.	2011)	

	

Degradation	leads	to	a	detrimental	change	in	the	natural	characteristics	of	a	forest	

habitat,	and	a	decline	in	its	ability	to	provide	ecological	goods	and	services	(Food	

and	 Agriculture	 Organization	 2011).	 Both	 natural	 and/or	 anthropogenic	

disturbances,	such	as	tree	fall	from	wind	or	logging,	is	a	mechanism	which	can	lead	

to	 forests	 becoming	 degraded	 (however,	 not	 all	 disturbance	 results	 in	 forest	

degradation)	 (Food	 and	 Agriculture	 Organization	 2011).	 While	 the	 process	 of	

forest	degradation	 is	known	to	have	particularly	negative	effects	on	biodiversity,	

the	 specific	 responses	 are	 varied	 and	 complex.	 Indeed	 Gibson	 et	 al.	 (2011)	

performed	a	global-scale	meta-analysis	of	the	effects	of	tropical	forest	degradation,	

and	 found	 that	 while	 biodiversity	 was	 lower	 in	 degraded	 forests	 compared	 to	

primary	 forests,	 responses	 varied	 across	 both	 taxa	 and	 regions.	 Moreover,	

degraded	 forests	 are	 not	 all	 homogeneous	 and	 the	 activities	 leading	 to	 this	

degradation	can	also	vary	widely.	For	example,	 in	 the	context	of	 logging,	 impacts	

on	biodiversity	can	depend	on	the	 intensity	at	which	the	timber	 is	extracted,	 the	

geographical	region	where	the	logging	is	taking	place	(Burivalova	et	al.	2014),	and	
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the	 method	 of	 extraction,	 with	 clear	 differences	 between,	 for	 example,	 reduced	

impact	 logging	 (RIL)	 (Edwards	et	al.	 2012b)	versus	salvage	 logging	 (Thorn	et	al.	

2018).	 Furthermore,	 many	 analyses	 into	 the	 effects	 of	 forest	 degradation	 have	

revealed	 idiosyncratic	 effects,	 with	 biodiversity	 responses	 dependent	 on	 the	

species	(e.g.	Lawton	et	al.	1998),	guild	(e.g.	Wearn	et	al.	2017)	or	region	studied	

(e.g.	Gibson	et	al.	2011).	

	

In	 combination	with	habitat	 loss,	 a	major	 consequence	of	 land-use	 change	 is	 the	

fragmentation	 of	 once	 continuous	 forests	 (Fletcher	 et	 al.	 2018).	 The	 negative	

effects	of	fragmentation	have	been	shown	in	numerous	studies	across	the	tropics,	

including	long-term	ecological	experiments	(e.g.	BDFFP,	Laurance	et	al.	2002;	and	

the	SAFE	project,	Ewers	et	al.	2011).	Studies	show	that	 increasing	 fragmentation	

and	 low	 connectivity	 can	 cause	 barriers	 to	 gene-flow	 (Scriven	 et	 al.	 2015)	 and	

changes	 to	 ecosystem	 functions	 such	 as	 seed	 dispersal	 (Bovo	 et	 al.	 2018)	 and	

community	composition	(Laurance	et	al.	2002).	Habitat	corridors	play	a	vital	role	

in	 increasing	the	connectivity	of	 these	 isolated	 forest	patches.	Within	plantations	

riparian	 forests	 surrounding	 watercourses	 are	 set	 aside	 to	 reduce	 the	 negative	

effects	 of	 land-use	 change,	 and	 are	 often	 protected	 by	 law	 and	 requirements	 of	

sustainable	certification	e.g.	Roundtable	on	Sustainable	Palm	Oil	 (RSPO)	(Luke	et	

al.	 2017).	 These	 riparian	 reserves	 often	 serve	 to	 connect	 forest	 fragments	 in	 a	

mosaic	 landscape,	 and	 there	 is	 growing	 support	 in	 their	 role	 for	 supporting	

biodiversity	levels	(Gray	et	al.	2014).		

	

3.2.2.	Bornean	diversity	under	threat	

Borneo,	 the	 largest	 island	 in	 Southeast	 Asia,	 has	 long	 been	 classified	 as	 a	

biodiversity	hotspot	due	to	its	high	level	of	endemism,	resulting	from	the	region’s	

complex	geological	history	(Sodhi	et	al.	2004)	coupled	with	its	high	level	of	habitat	

loss	 (Myers	et	al.	 2000).	The	biggest	 current	 threats	 to	Bornean	biodiversity	are	

rampant	commercial	logging	and	conversion	of	forest	for	agriculture	(Sodhi	et	al.	

2004).	Currently	most	agricultural	 land	 is	used	 for	oil	palm	plantations,	 and	 it	 is	

noteworthy	that	Malaysia	and	Indonesia	-	the	two	countries	governing	the	largest	

areas	 of	 Borneo	 -	 are	 the	 world’s	 principal	 producers	 of	 palm	 oil	 (Food	 and	

Agriculture	 Organisation	 UN	 2017).	 In	 total,	 a	 30%	 reduction	 in	 forest	 cover	
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largely	related	to	oil	palm	expansion	was	reported	for	Borneo	between	1973	and	

2010	 (Gaveau	et	al.	 2014).	This	 figure	 is	partly	explained	 by	 the	 realisation	 that	

most	 agricultural	 expansion	 for	 oil	 palm	 has	 taken	 place	 in	 logged-over	 forests,	

rather	than	on	old	cropland,	as	was	earlier	asserted	(see	Koh	&	Wilcove	2008).	

	

Currently,	most	 tracts	of	continuous	 forest	 in	Malaysian	Borneo	are	 found	within	

protected	 areas	 (Bryan	 et	 al.	 2013).	However,	within	 the	 agricultural	 landscape,	

areas	 deemed	 too	 steep	 to	 log	 are	 designated	 as	 Virgin	 Jungle	 Reserves	 (VJRs)	

which	 afford	 some	 protected	 status.	 As	 such	 the	 forests	 within	 these	 small	

fragments	 tend	 to	be	of	 relatively	high	quality	and	potentially	buffered	 from	 the	

negative	effects	of	land-conversions	(Ewers	et	al.	2011).	VJRs	can	be	connected	by	

riparian	forest	reserves,	again	indicating	the	potential	importance	of	these	riparian	

habitat	corridors	(Gray	et	al.	2014;	Mitchell	et	al.	2017).	

	

The	negative	impacts	of	forest	loss	on	Borneo	for	biodiversity	might	be	especially	

serious	given	that	a	large	proportion	of	the	island’s	taxa	are	recognised	as	being	of	

conservation	 concern	 on	 a	 global	 scale.	 For	 example,	 in	 a	 study	 by	Brodie	 et	 al.	

(2014a)	 half	 of	 the	 mammals	 in	 Sabah	 that	were	 detected	 on	 camera	 traps	 are	

classified	by	the	IUCN	as	Endangered	or	Vulnerable.	Moreover,	these	threats	might	

be	underestimated	due	to	a	 lack	of	knowledge	regarding	the	population	status	of	

numerous	species,	many	of	which	are	both	threatened	and	data	deficient	(Schipper	

et	 al.	 2008).	 As	 such,	 it	 is	 likely	 that	 species	 thought	 to	 be	 at	 risk	 of	 population	

decline	or	extinction	will	exclude	taxa	that	are	poorly	known,	and	for	which	their	

conservation	status	is	unclear.	

	

3.2.3.	The	importance	of	mammals	in	conservation	

The	success	of	most	environmental	and	conservation	policies	can	be	measured	by	

their	 impact	 on	 either	 biodiversity	 or	 carbon	 stocks,	 or	 increasingly,	 both	

(Sollmann	et	al.	2017).	Vertebrates	such	as	mammals	and	birds,	frequently	feature	

in	 policy,	 and	 are	 used	 as	 baselines	 by	 which	 to	 evaluate	 the	 effectiveness	 of	

decisions.	For	example,	major	United	Nations	programmes	such	as	REDD+	and	the	

Convention	on	Biological	Diversity’s	Aichi	Targets	both	incorporate	biodiversity	at	

their	 core.	 The	 effectiveness	 of	 such	 policies	 on	 carbon	 and	 biodiversity	
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conservation	needs	to	be	evaluated	(Deere	et	al.	2017).	In	general,	mammals	show	

less	sensitivity	to	logging	than	birds	and	arthropods	(Gibson	et	al.	2011).	However,	

as	 a	 proportion	 of	 their	 total	 diversity,	 terrestrial	 mammals	 show	 severe	

threatened	 statuses	 based	 on	 IUCN	 assessments	 (Costantini	 et	 al.	 2016).	 In	 an	

analysis	by	Costantini	et	al.	(2016)	129	Bornean	mammals	considered	46%	have	a	

threatened	status,	including	Vulnerable,	Near	Threatened	or	Endangered	(IUCN	et	

al.	2008)	and	of	the	676	bird	species	considered,	35%	were	considered	vulnerable.	

Recently,	 other	 groups,	 such	 as	 amphibians,	 are	 under	 threat	 from	widespread	

disease	outbreaks	and	overexploitation	(Stuart	et	al.	2004).	Unfortunately,	studies	

have	also	shown	low-levels	of	cross-taxon	congruence	in	biodiversity	‘hotspots’	for	

threatened	 species	 of	 birds,	 mammals	 and	 amphibians	 (Grenyer	 et	 al.	 2006).	

However,	as	a	charismatic	group,	mammals	tend	to	be	well	studied	and	thus	can	be	

beneficial	for	conservation	monitoring.		

	

Aside	from	their	inherent	biodiversity	value,	mammals	are	an	important	group	for	

healthy	ecosystem	functioning,	as	both	predators	and	prey	species	(Moreno	et	al.	

2006)	 but	 also	 as	 pollinators	 (Ratto	 et	 al.	 2018),	 seed	 dispersers	 (Wright	 et	 al.	

2000),	 and	 keystone	 species	 (Sinclair	 2003).	 As	 is	 frequently	 highlighted	 by	

conservation	policy;	biodiversity	monitoring	and	research	is	integral	to	improving	

our	 predictions	 of	 the	 effects	 of	 human	 activity	 and	 industry	 on	 tropical	

ecosystems,	and	thus	our	ability	to	stem	any	negative	impacts	(Sodhi	et	al.	2010).		

	

3.2.4.	Biodiversity	monitoring	for	mammals	

At	 local	 spatial	 scales,	 mammals	 may	 show	 differences	 in	 the	 way	 that	 they	

respond	 to	 forest	 degradation	 (Wearn	 et	 al.	 2018).	 In	 Sabah,	 some	 groups	 of	

mammals	seem	more	resilient	than	others	to	increasing	forest	degradation	(Wearn	

et	 al.	 2017).	 Small	 mammals,	 and	 more	 generalist	 feeding	 guilds	 such	 as	

insectivores	and	omnivores,	show	increases	in	relative	abundance	along	a	habitat	

gradient	 from	 primary	 to	 logged	 forest	 compared	 to,	 respectively,	 large-bodied	

mammals	 and	 feeding	 guilds	 such	 as	 carnivores	 and	 frugivores	 (Wearn	 et	 al.	

2017).	 Other	 studies	 have	 also	 recorded	 herbivorous	 mammals	 persisting	 in	

logged	 forests	 where	 hunting	 pressures	 are	 low,	 benefitting	 from	 pioneer	 tree	

growth	in	forest	gaps	(Brodie	et	al.	2014a;	Granados	et	al.	2016).		
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Systematically	 establishing	 the	 abundance	 and	 diversity	 of	 human-modified	

landscapes	enables	us	 to	understand	the	extent	 to	which	species	persist	 in	 these	

degraded	 forests.	 Yet	 obtaining	 reliable	 information	 on	 the	 contribution	 of	

mammals	 to	 communities	 in	 degraded	 forest	 ecosystems	 can	 be	 difficult,	 and	

several	methods	have	been	used.	One	of	 the	most	popular	survey	 techniques	 for	

mammals	is	camera	trapping	and	has	been	applied	to	many	situations	(Ahumada	

et	al.	2011;	Samejima	et	al.	2012;	Mazzolli	et	al.	2017).	Remote	camera	trapping	is	

now	 a	 standard	 technique	 for	 detecting	 the	 presence	 of	 otherwise	 difficult-to-

observe	mammals	(Meek	et	al.	2014)	as	well	as	for	describing	community	diversity	

and	 inferring	 species	 occupancy	 (Brodie	 et	 al.	 2014a).	 Camera	 traps	 tend	 to	 be	

biased	toward	the	detection	of	larger-bodied	terrestrial	mammals	compared	to,	for	

example,	 live	trapping	methods,	which	typically	record	greater	numbers	of	small	

mammals.	 Thus	 a	 comprehensive	 understanding	 of	 local	 level	 patterns	 and	

dynamics	requires	a	combination	of	survey	techniques	(Wearn	et	al.	2017)	but	this	

can	be	financially	and	logistically	constraining.		

	

Alongside	 more	 traditional	 sampling	 techniques	 conservation	 monitoring	 using	

invertebrate-derived	 DNA	 (iDNA)	 could	 be	 feasible	 in	 the	 near	 future.	 With	 the	

reducing	 costs	of	metabarcoding,	species	 can	now	be	detected	with	 relative	ease	

by	 sequencing	 DNA	 from	 environmental,	 faecal	 and	 gut	 samples,	 including	

bloodmeal	 DNA	 from	 invertebrates	 (Schnell	 et	 al.	 2015a).	 Several	 studies	 have	

demonstrated	 the	 use	 of	 such	 invertebrates	 as	 biodiversity	 monitoring	 tools,	

especially	using	blood	feeding	terrestrial	leeches	(Haemadipsidae),	which	seem	to	

be	popular	due	to	their	large	body	size	and	relative	ease	of	sampling	(Schnell	et	al.	

2015a).	On	a	broad	geographic	scale	 the	utility	of	 leeches	as	vertebrate	samplers	

has	been	shown	(Schnell	et	al.	2018;	Tessler	et	al.	2018)	but	few	studies	have	used	

iDNA	as	a	tool	to	quantify	local	mammal	(or	vertebrate)	diversity	(Weiskopf	et	al.	

2017).	Field	work	to	collect	terrestrial	leeches	requires	very	little	equipment	and	

sites	can	be	surveyed	very	quickly.	This	means	that	leech-based	iDNA	studies	have	

the	potential	to	complement	and	help	to	direct	additional	monitoring	campaigns.		

	
For	 this	 study,	my	main	 objective	was	 to	 apply	 leech-based	 iDNA	 to	 assess	 and	

quantify	differences	in	mammal	diversity	across	a	gradient	of	habitat	degradation	
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in	Sabah,	North	Borneo.	The	Stability	of	Altered	Forest	Ecosystems	Project	(SAFE)	

is	subject	to	ongoing	degradation,	with	logging	activities	taking	place	between	the	

two	years	of	sampling	(Ewers	et	al.	2011).	I	tested	whether	differences	in	mammal	

community	 diversity	 could	 be	 detected	 using	 metabarcoding	 of	 leeches,	 and	

whether	these	differences	in	overall	diversity	reflect	habitat	quality	over	time	and	

space.	 For	 this	 study	 I	 focus	 on	 an	 abundant	 species	 found	 in	 the	 lowland	

dipterocarp	 forests	of	 Sabah,	Haemadipsa	 picta,	 commonly	 called	 the	 tiger	 leech.	

By	assigning	DNA	sequences	from	pooled	leech	blood	meals	to	mammal	taxa,	I	test	

the	 hypothesis	 that	 mammalian	 diversity	 decreases	 with	 habitat	 degradation.	

Many	 studies,	 on	 various	 taxa	 have	 demonstrated	 a	 negative	 effect	 of	 forest	

degradation	on	levels	of	overall	biodiversity	(e.g.	Gibson	et	al.	2011;	Edwards	et	al.	

2014).	To	test	this,	I	construct	Generalised	Linear	Mixed	Effects	Models	(GLMMs)	

in	which	 I	model	 richness	 and	 Shannon’s	 diversity	 index	 against	 habitat	 quality	

metrics	 and	 seasonal	 differences.	 Finally,	 to	 test	 the	 hypothesis	 that	 the	

dissimilarity	in	community	composition	increases	across	the	habitat	gradient,	and	

between	years,	I	use	non-metric	multi-dimensional	scaling	and	permuted	ANOVAs.	
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3.3.	Materials	and	methods	

	

3.3.1.	Study	design	and	sample	collection	

To	 obtain	 information	 on	 temporal	 and	 spatial	 changes	 in	 mammal	 diversity,	 I	

undertook	sampling	at	sites	across	the	SAFE	landscape	in	a	dry	season	(February-

June)	 and	 a	 wet	 season	 (September-December	 2016).	 I	 aimed	 to	 visit	 the	 same	

vegetation	plots	within	these	sites	in	both	seasons,	but	this	was	not	possible	in	all	

cases.	For	example,	several	sites	had	become	inaccessible	 in	 the	 intervening	year	

due	 to	 road	 degradation	 and	 tree	 extraction	 (e.g.	 F).	 In	 some	 cases,	 I	 also	 found	

sites	with	no	or	too	few	H.	picta	present	(e.g.	E,	C,	LF1),	which	is	likely	to	be	due	to	

changes	 in	microclimate	 resulting	 from	 the	 removal	 of	 trees.	 The	 field	 sampling	

regime	was	exactly	the	same	as	described	in	Chapter	2,	searching	the	leaf	litter	and	

understory	 for	 leeches	within	 the	boundaries	of	 each	vegetation	plot,	 for	 twenty	

minutes.	 I	 only	 had	 one	 opportunity	 to	 sample	 in	 the	 primary	 rainforest,	 at	 the	

Danum	Valley	Conservation	Area	(DVCA).	In	DVCA	the	same	sampling	regime	as	in	

SAFE	was	 followed,	 setting	up	25m2	plots	and	hand-searching	 for	20	minutes.	A	

summary	of	the	samples	for	this	chapter	can	be	found	in	Table	3.1	and	a	detailed	

schematic	of	the	sampling	design	can	be	found	in	Figure	3.1.	

	

To	measure	the	effects	of	habitat	degradation,	 I	used	two	methods	of	quantifying	

habitat	quality.	First,	based	on	land-use	history,	I	used	a	broad	categorical	system	

to	classify	each	site	 into	one	of	 four	 forest	 types	along	a	gradient	of	degradation:	

primary,	riparian,	twice-logged	and	heavily	logged	forest.	Primary	forest	at	DVCA	

was	 of	 the	 highest	 quality,	 followed	 by	 the	 twice-logged	 forest	 which	 had	

undergone	two	rounds	of	selective	logging	but	remained	within	continuous	forest.	

The	sites	of	the	lowest	quality	were	the	heavily	logged	forest	sites	which	were	all	

within	the	SAFE	experimental	area	and	were	eventually	to	be	isolated	within	an	oil	

palm	matrix	(Figure	2.1).	Previous	studies	have	used	a	similar	 land-use	 intensity	

gradient,	showing	primary	forest	has	higher	maximum	canopy	heights	and	greater	

PAI	 than	 increasingly	 logged	 forests	 (Jucker	 et	 al.	 2018).	 Finally,	 there	 are	 the	

riparian	sites,	three	of	which	were	along	rivers	in	the	heavily	logged	forest	in	SAFE.	

The	 riparian	 forest	 at	 within	 the	 SAFE	 area	 was	 in	 the	 process	 of	 being	

experimentally	fragmented	to	different	widths	of	0	m,	5	m,	30	m	and	120	m	as	part	
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of	 the	 wider	 SAFE	 project	 (Ewers	 et	 al.	 2011).	 Riparian	 forest	 width	 is	 an	

important	 factor	 in	 determining	 levels	 of	 biodiversity	 at	 the	 site,	 however,	 the	

optimum	width	is	location	and	species	dependent	(Luke	et	al.	2018;	Mitchell	et	al.	

2018).	The	quality	of	the	forests	along	these	rivers	is	highly	variable	and	consists	

of	 a	high	proportion	of	 forest	 edge,	 thus	 they	tend	 to	be	of	similar	quality	 to	 the	

surrounding	heavily	logged	forests.	One	river	(RLFE)	which	was	located	within	the	

twice-logged	 forest	 (LFE)	which	meant	 that	 the	 riparian	 forest	 surrounding	 this	

river,	was	of	higher	quality	 than	the	other	three	sites.	Second,	across	all	of	 these	

sites,	 I	 obtained	 several	 metrics	 describing	 vegetation	 structure,	 which	 were	

obtained	 from	 remote	 sensing	 data	 (for	 details	 see	 below).	 Analyses	 based	 on	

these	 two	 measures	 are	 hereafter	 referred	 to	 as	 ‘forest	 type’	 and	 ‘vegetation’,	

respectively.		

	

Table	 3.1.	 Summary	 of	 number	 of	 leech	 pools	 used	 in	 this	 study,	 which	 site	 the	
samples	were	collected	from	and	from	within	which	forest	type.	The	number	of	leech	
pools	sequenced	in	the	dry	and	wet	season	for	each	site	is	given,	along	with	the	total	
number	 of	 individuals	 that	 this	 corresponds	 to	 in	 brackets.	Numbers	 of	 individual	
leeches	per	pool	ranged	between	4-12	individuals	(mean	=	9,	median	=	10)	

Site	 Forest	type	 Dry	season	pools	-	

2015	

Wet	season	pools	-

2016	

OG	 Primary	 0	 23	(222)	

VJR	 Twice-logged	 6	(63)	 5	(37)	

LF1	 Twice-logged	 1	(6)	 0	

LF2	 Twice-logged	 3	(30)	 0	

LF3	 Twice-logged	 9	(92)	 12	(117)	

LFE	 Twice-logged	 18	(180)	 14	(133)	

B	 Heavily	logged	 14	(136)	 7	(70)	

D	 Heavily	logged	 8	(73)	 10	(87)	

E	 Heavily	logged	 2	(18)	 3	(28)	

F	 Heavily	logged	 5	(44)	 0	

R0	 Riparian	 6	(60)	 1	(8)	

R30	 Riparian	 7	(70)	 0	

R5	 Riparian	 7	(61)	 0	

RLFE	 Riparian	 15	(139)	 5	(50)	
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Figure	 3.1.	 Schematic	 map	 of	 the	 sampling	 design	 used	 in	 this	 chapter.	 The	 twice-logged	 habitats	 are	 shaded	 in	 dark	 green	 within	 the	
continuous	 logged	 forest,	 the	 heavily	 logged	 habitats	 are	 shaded	 in	 white	 and	 riparian	 sites	 are	 shaded	 in	 blue	 within	 the	 SAFE	 project	
experimental	area.	The	location	of	the	vegetation	plots	where	the	sampling	took	place	are	shown	as	small	white	circles.	Blue	lines	represent	the	
rivers	and	streams,	and	the	green	shows	the	different	classes	of	high	carbon	stock	forest	(HCS).	Bar	chart	shows	the	number	of	pools	sequenced	
at	each	of	the	sites	for	H.	picta	in	2015	in	yellow	and	2016	in	grey.	Inset	map	shows	the	location	of	the	SAFE	project	and	Danum	Valley	for	the	
primary	forest	sites	(old	growth	-	OG)	in	the	state	of	Sabah,	Malaysian	Borneo.	
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3.3.2.	DNA	extraction,	PCR	amplification	and	library	pooling		

For	this	study	I	generated	new	sequence	data	 from	leeches	collected	in	2015	and	

2016.	For	a	subset	of	 leeches	 from	2015	from	sites	B,	D,	F	(heavily	 logged	forest	

sites)	 and	 LFE,	 LF2	 and	 LF3	 (twice-logged	 forest	 sites)	 I	 re-extracted	 the	 DNA	

(using	 a	modified	protocol)	 from	 the	 stored	 digests.	 I	 took	 this	 approach,	 rather	

than	re-use	the	same	extracts,	to	increase	DNA	yield,	and	also	to	avoid	batch	effects	

from	different	sequencing	runs.		

	

All	 steps	 for	 DNA	 extraction	 followed	 those	 described	 in	 Chapter	 2,	 with	 the	

addition	 of	 an	 extra	 lysis	 step	 following	 the	 initial	 incubation	with	 proteinase	K	

and	 pooling	 of	 individuals.	 At	 this	 point,	 I	 added	 200µL	 of	 buffer	 AL,	 from	 the	

DNeasy	Blood	and	Tissue	kit	(Qiagen),	to	a	200µL	subsample	of	each	pooled	digest	

then	 incubated	 for	 15	 minutes	 at	 56°C.	 I	 then	 mixed	 in	 an	 additional	 200µL	 of	

100%	 ethanol	 and	 added	 the	 samples	 to	 QiaQuick	 spin	 columns	 (Qiagen)	 and	

centrifuged	at	6000g	for	one	minute.	The	application	of	the	modified	method	was	

based	on	preliminary	results	that	indicated	a	small	but	non-significant	increase	in	

the	number	of	OTUs	and	taxa	recovered	(see	Supplementary	Figure	S3.1).	The	DNA	

was	 then	 purified	 and	 resuspended,	 again	 following	 the	 same	 protocol	 as	 in	

Chapter	2.		

	

As	described	in	Chapter	2,	alongside	each	batch	of	the	extractions	I	also	conducted	

at	least	one	extraction	control	(i.e.	a	blank	sample	that	contained	all	of	the	reagents	

minus	the	tissue).	A	subsample	of	the	extracts	from	each	batch	of	extractions	was	

quantified	using	the	Qubit	dsDNA	HS	Assay	Kit	(Invitrogen),	to	check	the	success	of	

the	 extractions	 and	 the	 DNA	 concentration	 of	 the	 negative	 controls.	 PCR	

amplification	 steps	 followed	 the	protocol	 in	Chapter	2.	 Successful	PCR	replicates	

were	mixed	into	amplicon	pools	for	a	single-tube	library	build	(Carøe	et	al.	2017).	

The	amplicon	pools	were	sequenced	in	two	batches:	batch1	=	11	amplicon	pools,	

and	 batch	 2	 =	 22	 amplicon	 pools.	 All	 samples	 were	 sequenced	 at	 The	 Genome	

Centre	(Queen	Mary	University	of	London)	using	the	Illumina	MiSeq	platform	for	a	

target	of	150bp	paired	end	reads.	
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3.3.3.	Taxonomic	assignment	

Full	details	of	the	taxonomic	assignment	process	can	be	found	in	Chapter	2.	Briefly,	

I	merged	read	pairs	together,	and	then	matched	the	nucleotide	tags	on	the	ends	of	

the	 amplicons	 to	 original	 leech	 samples	 using	 the	DAMe	pipeline,	 retaining	 only	

those	 sequences	 that	 appeared	 in	 a	 minimum	 of	 two	 PCR	 replicates.	 Chimeric	

sequences	were	 removed	using	mothur	 (Schloss	et	al.	 2009)	before	 clustering	at	

97%	similarity	with	 sumaclust	 (Mercier	et	al.	 2013)	and	post-clustering	 filtering	

algorithm	with	LULU	(Frøslev	et	al.	2017).		

	

All	 OTUs	 were	 identified	 to	 genus,	 except	 for	 those	 11	 species	 for	 which	 no	

congeners	 occur	 in	 Sabah;	 these	 could	 thus	 confidently	 be	 identified	 to	 species-

level.	 Genus-level	 identification	 is	 preferred	 when	 using	 potentially	 incomplete	

databases	 (Kocher	et	al.	 2017b)	and	 there	 is	 evidence	 to	 suggest	 this	 represents	

the	 best	 approach	 when	 working	 with	 ribosomal	 markers	 due	 to	 the	 limited	

taxonomic	 resolution	 achieved	 (Hillis	 &	 Dixon	 1991;	 Axtner	 et	 al.	 2018).	 As	 the	

highest	 taxonomic	 level	 common	 to	 all	 assignments,	 all	 analysis	 is	 conducted	 at	

genus-level.	 The	 majority	 of	 OTUs	 matched	 well	 to	 the	 database,	 with	 the	

exception	of	two	OTUs	that	had	poor	quality	matches;	one	of	these	matched	poorly	

to	a	 leaf	monkey	 sequence,	 and	 the	other	 to	an	amphibian	which	were	removed.	

Two	 further	OTUs	were	 removed	as	 they	were	 suspected	 to	be	errors,	matching	

only	to	nuclear	DNA.	The	same	threshold	filtering	approach	was	used	as	in	Chapter	

2	to	screen	the	samples,	based	contamination	found	in	the	controls.		

	

3.3.4.	Vegetation	structure	

To	 quantify	 habitat	 quality,	 I	 used	 vegetation	 data	 from	 a	 Leica	 ALS50-II	 LiDAR	

sensor	 flown	 by	 NERC's	 Airborne	 Research	 Facility	 which	 covered	 the	 SAFE	

landscape	in	2014	(details	in	Jucker	et	al.	2018,	data	provided	by	T.	Swinfield	and	

D.	Coombes).	The	habitat	had	undergone	experimental	logging	between	the	LiDAR	

flight	and	the	surveys,	however,	as	the	sites	within	SAFE	should	remain	untouched,	

this	data	were	deemed	appropriate.	Vegetation	metrics	which	 could	differentiate	

between	the	variable	structure	of	 the	 forest	sites	were	extracted	at	 the	site	 level.	

Using	 a	 1	 km	 buffer	 around	 the	 centroid	 of	 the	 site	 ensured	 that	 there	 was	 no	

overlap	in	the	metrics	used	for	each	site	while	still	being	appropriate	to	the	size	of	
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potential	home-ranges	of	the	mammal	species.	These	metrics	were	canopy	height	

(range	=	8.66	m	to	33.79	m,	mean	=	20.06),	above	ground	biomass	(range	=	21.46	

kg	to	199.76	kg,	mean	=	91.81	kg),	gap	fraction	(range	=	0.02	to	0.62,	mean	=	0.22)	

(the	 inverse	 of	 which	 is	 forest	 cover)	 and	 a	 measure	 of	 habitat	 heterogeneity	

(Moran’s	 I)	 (range	 =	 0.38	 to	 0.74,	 mean	 =	 0.57).	 Habitat	 heterogeneity	 values	

ranges	from	-1	to	1,	representing	a	gradient	from	evenly	dispersed	canopies	up	to	

perfect	 clustering,	 while	 a	 value	 of	 zero	 represents	 perfectly	 random	 canopy	

dispersion.	 In	 practice,	 values	 approaching	 1	 indicate	 greater	 clustering	 of	 the	

canopy	and	thus	represent	strong	contrasts	in	habitat	availability	such	as	gaps	or	

very	 large	trees	within	a	matrix	of	intermediate	canopy	heights.	 	Negative	values	

are	 rare	 in	 natural	 forests	 and	 intact,	 homogenous	 canopies	 would	 have	 values	

closer	 to	 zero.	 Due	 to	 the	 relatively	 small	 sample	 size,	 I	 constructed	 a	 principal	

component	analysis	(PCA)	to	include	information	from	all	the	metrics	in	a	singular	

value,	in	the	subsequent	models.	

	

3.3.5.	Statistical	analysis		

Species	accumulation	

For	all	 analyses,	 the	 leech	pool	 is	 considered	 the	 sampling	unit.	Using	taxonomic	

assignments	generated	from	the	OTU	data,	I	estimated	alpha	diversity	of	mammals	

at	each	of	the	forest	types	using	the	Chao2	species	richness	estimator	(Chao	1987;	

Gotelli	 &	 Colwell	 2011).	 This	 metric	 can	 account	 for	 ‘under-sampling’	 and	 thus	

allows	estimation	of	the	taxonomic	richness	of	the	actual	pool.	

	

To	obtain	richness	estimates	for	each	forest	type	as	well	as	the	entire	sample,	and	

to	check	whether	the	community	of	mammals	had	been	fully	sampled,	I	generated	

accumulation	curves	using	sample-based	rarefaction	and	extrapolation.	Each	curve	

was	recalculated	for	three	Hill	numbers	(q	=	0,1,2),	which	represent	bias-corrected	

estimates	of,	respectively,	species	richness,	the	exponential	of	the	Shannon-Wiener	

index,	 and	 the	 Simpson	 diversity	metric	 (see	 Chao	 et	 al.,	 2014).	 The	 use	 of	 Hill	

numbers	 is	 recommended	 in	 cases	of	 incomplete	 sampling,	 for	example	due	 to	a	

high	abundance	of	rare	species	(Chao	et	al.	2014).	In	this	study,	estimates	of	alpha	

diversity	 based	 on	 invertebrate	 samplers	 of	mammals	will	 certainly	 suffer	 from	

incomplete	 sampling.	This	 is	 likely	given	 that	mammal	DNA	 is	 rare	 in	 the	mixed	
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DNA	 sample,	 in	 part	 due	 to	 the	 potentially	 long	 intervals	 between	 leech	 feeding	

events,	 as	 well	 as	 degradation	 of	 the	 mammal	 DNA	 over	 time	 within	 the	 blood	

meal.	 Extrapolation	 was	 conducted	 using	 Chao2	 to	 estimate	 the	 undetected	

diversity	in	the	reference	sample	(i.e.	the	observed	value).	I	extrapolated	to	double	

the	 sample	 size	 of	 the	 reference	 for	 the	 reason	 that	 where	 q	 =	 0	 (i.e.	 species	

richness),	extrapolations	beyond	this	point	have	been	shown	to	become	unreliable	

whereas	estimates	for	q	=	1	and	q	=	2	remain	relatively	unbiased	(see	Chao	et	al.	

2014).	For	each	curve,	the	confidence	intervals	were	generated	using	the	bootstrap	

method	proposed	 in	Chao	et	al.	 (2014)	 for	1000	replicates.	To	compare	curves,	 I	

used	84%	confidence	intervals	(CI)	rather	than	95%	CIs,	which	have	been	shown	

to	be	more	conservative	than	an	alpha	 level	of	0.05	(see	Chapter	2).	Curves	with	

95%	 CIs	 are	 provided	 for	 information	 (Supplementary	 Figure	 S3.2).	 All	 curves	

were	produced	in	the	iNEXT	package	(Hsieh	et	al.	2016)	in	R	(R	Core	Team	2018).		

	

Effects	of	habitat	quality	and	vegetation	variables	on	diversity		

To	 identify	 the	 factors	 determining	 the	 diversity	 of	 mammals	 detected	 among	

pools	 from	 across	 the	 habitat	 gradient,	 I	 used	 generalised	 linear	 mixed	 effect	

models	 (GLMM).	 I	 repeated	 the	 models	 for	 two	 response	 variables	 based	 on,	

respectively,	 taxon	 richness	 (Hill	 =	 0)	 using	 a	 Poisson	 error	 distribution,	 and	

Shannon’s	diversity	 (Hill	=	1)	using	a	normal	error	distribution.	 In	each	model,	 I	

included	 several	 fixed	 effects:	 forest	 type,	 year	 of	 sampling,	 number	 of	 leeches	

sequenced	 per	 pool,	 and	 principal	 component	 1	 from	 the	 PCA	 of	 vegetation	

structure.	 I	 used	 site	 identity	 as	 a	 random	effect	 to	 account	 for	 potential	 spatial	

autocorrelation,	as	I	would	expect	pools	of	leeches	collected	from	within	one	site	

to	be	more	similar	than	between	sites.		

	

For	each	response	variable,	I	first	generated	a	‘global	model’	with	all	variables	and	

two	 interactions:	 year	 and	 forest	 type,	 and	 year	 and	 PC1.	With	 likelihood	 ratio	

tests,	 I	simplified	the	model	by	removing	non-significant	 terms.	Then	I	 identified	

the	best-fitting	model	using	AIC	(delta	AIC	<4	and/or	an	AIC	weight	>0.09)	which	

are	 the	 commonly	 used	 thresholds	 discussed	 in	 Burnham	 &	 Anderson	 (2002).	

Detections	from	the	primary	forest	were	excluded	from	this	analysis	due	problems	
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with	introducing	bias	from	only	one	replicate.	I	used	the	packages	lme4	for	GLMMs	

(Bates	et	al.	2015)	in	R.		

	

Community	composition	across	a	habitat	gradient	

To	 visualise	 the	 differences	 between	mammal	 community	 composition	 between	

the	 different	 forest	 types	 and	 years,	 I	 used	 non-metric	multidimensional	 scaling	

(NMDS)	 based	 on	 Chao’s	 dissimilarity	 metric.	 This	 metric	 (like	 the	 richness	

estimator	 for	alpha	diversity)	shows	the	effects	undetected	species	on	the	whole	

species	pool	(Chao	et	al.	2005).	Chao	et	al.	(2005)	show	that	classic	measures	i.e.	

Jaccard/Sørensen	indices	perform	poorly	when	a	sample	consists	of	a	high	number	

of	rare	species.	 I	checked	for	relationships	between	the	communities	at	each	site	

and	 the	 vegetation	 metrics	 (canopy	 height,	 aboveground	 biomass,	 habitat	

clustering,	and	gap	fraction)	by	fitting	environmental	vectors	to	the	ordination.	To	

test	for	differences	in	variance	between	the	factors	of	forest	type	and	year,	I	used	a	

permuted	 analysis	 of	 variance	 (PERMANOVA).	 All	 models	 were	 run	 for	 9999	

permutations	and	constrained	by	site	identity	to	reflect	the	study	design.	All	these	

analyses	were	conducted	in	the	vegan	package	(Oksanen	et	al.	2017)	in	R.	
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3.4.	Results	

	

3.4.1.	Sequence	summary	

I	 retrieved	 a	 total	 of	 13,311,805	 forward	 and	 reverse	 reads	 from	 the	 two	

sequencing	runs	(batch1	=	6,114,937	reads	and	batch2	=	7,196,868	reads).	There	

was	an	overall	success	rate	for	merging	the	paired	reads	of	93.30%,	with	slightly	

higher	 success	 for	 the	 batch1	 reads	 (96.81%)	 compared	 to	 the	 batch2	 reads	

(90.31%)	due	to	the	low	sequencing	yield	 for	two	of	 the	amplicon	pools.	 In	 total,	

there	were	12,419,253	successfully	merged	reads.	Of	these,	81.99%	contained	the	

correct	primer	and	tag	combination,	11.37%	had	no	primer	sequence,	and	6.11%	

of	 the	 reads	were	 tag	 jumps.	Only	12,746	 reads	 (0.1%	of	 successful	 reads)	were	

identified	as	chimeras	and	subsequently	removed.	The	initial	clustering	resulted	in	

128	OTUs	which	was	reduced	to	43	OTUs	after	applying	the	post-clustering	filter.	

When	I	removed	the	contamination	and	collapsed	OTUs	with	matching	taxonomic	

assignments,	I	was	left	with	a	final	set	of	17	OTUs	found	in	181	samples.		

	

3.4.2.	Identity	of	mammals		

All	 OTUs	 could	 be	 identified	 to	 at	 least	 genus-level.	 Overall,	 I	 found	 evidence	 of	

mammals	 from	 17	 genera,	 12	 families,	 and	 six	 orders.	 All	 OTUs	matched	 to	 the	

reference	 database	 with	 a	 percent	 similarity	 greater	 than	 90%,	 with	 the	 one	

exception	 of	 OTU27,	 which	 consistently	 matched	 to	 the	 gibbon	 reference	

sequences	 but	with	 lower	 confidence	 (79%	 similarity).	 I	 was	 able	 to	 assign	 ten	

OTUs	to	species-level	with	confidence	based	on	the	knowledge	that	only	a	single	

member	of	the	genus	occurred	in	the	area	(Table	3.2).	I	found	a	maximum	of	four	

mammals	in	one	leech	pool	(three	samples;	F.2015,	D.2016	and	LFE.2016)	but	the	

average	 detection	 per	 pool	 was	 one	 and	 out	 of	 181	 samples,	 72	 contained	 no	

amplifiable	(non-human)	mammalian	DNA.	
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Table	3.2.	Taxonomic	assignments	of	unique	OTUs	given	with	the	classification	of	order,	family,	genus	and	species	level	identity	(in	cases	where	
there	were	no	closely	related	congeneric	species	in	the	study	region).	Bit	score	and	%	similarity	are	reported	from	BLAST	and	where	there	two	OTUs	
were	assigned	to	the	same	taxonomic	group,	two	values	are	given	for	IUCN	status,	and	confidence	values	

Common	name	(IUCN	status)	*	 Order	 Family	 Genus	 Species	 Bit	score	 %Similarity	

Cow	(LC/EN)	 Cetartiodactyla	 Bovidae	 Bos	 Bos	sp	 171	 100%	
Muntjac	(LC/NT)	 Cetartiodactyla	 Cervidae	 Muntiacus	 Muntiacus	sp	 154/159	 90%/91%	
Sambar	deer	(VU)	 Cetartiodactyla	 Cervidae	 Rusa		 Rusa	unicolor	 171	 100%	

Bearded	pig	(VU)	 Cetartiodactyla	 Suidae	 Sus	 Sus	barbatus	 174	 100%	

Mousedeer	(LC/LC)	 Cetartiodactyla	 Tragulidae	 Tragulus	 Tragulus	sp	 141/171	 94%/99%	
Cat	(LC/EN)	 Carnivora	 Felidae	 Prionailurus	 Prionailurus	sp		 169	 100%	
Sun	bear	(VU)	 Carnivora	 Ursidae	 Helarctos	 Helarctos	malayanus		 167	 99%	
Small	toothed	palm	civet	(LC)	 Carnivora	 Viverridae	 Arctogalidia	 Arctogalidia	trivirgata		 150	 96%	
Banded	civet	(NT)	 Carnivora	 Viverridae	 Hemigalus	 Hemigalus	derbyanus		 176	 100%	
Masked	palm	civet	(LC)	 Carnivora	 Viverridae	 Paguma	 Paguma	larvata	 174	 100%	
Malay	civet	(LC)	 Carnivora	 Viverridae	 Viverra	 Viverra	tangalunga	 178	 100%	
Sunda	pangolin	(CR)	 Pholidota	 Manidae	 Manis	 Manis	javanica	 159	 100%	
Gibbon	(EN)	 Primate	 Hylobatidae	 Hylobates	 Hylobates	sp	 60	 79%	
Macaque	(LC/VU)	 Primate	 Cercopithecidae	 Macaca	 Macaca	sp	 141	 95%	
Elephant	(EN)	 Proboscidea	 Elephantidae	 Elephas	 Elephas	maximus	 172	 92%	
Porcupine	(LC/LC)	 Rodentia	 Hystricidae	 Hystrix	 Hystrix	sp	 159/167	 90%/91%	
Long-tailed	porcupine	(LC)	 Rodentia	 Hystricidae	 Trichys	 Trichys	fasciculata	 161	 90%	

*IUCN	classifications	are	as	follows:	LC	=	Least	Concern,	NT	=	Near	Threatened,	VU	=	Vulnerable,	EN	=	Endangered,	CR	=	Critically	Endangered	

83	
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Overall	 the	 number	 of	 mammalian	 orders	 and	 families	 detected	 was	 greater	 in	

2016	compared	 to	2015	and	was	highest	 in	 the	 twice-logged	 forest	sites	 (Figure	

3.2).	In	all	forest	types,	terrestrial	members	of	the	order	Cetartiodactyla	were	the	

most	frequently	detected	in	both	years	and	in	all	of	the	four	forest	types.	In	2016	

there	 were	 more	 detections	 of	 mammals	 from	 the	 Rodentia	 with	 additional	

detections	in	twice-logged	forest	compared	to	2015.	Primates	were	detected	at	low	

numbers	across	all	 forest	 types	 in	2015,	but	only	 in	 the	higher	quality	 forests	 in	

2016.	 In	 addition,	 elephants	 (Proboscidea;	 Elephantidae)	 and	 Sunda	 pangolins	

(Pholidota;	Manidae)	were	only	detected	in	2016,	in	both	cases	in	the	twice	logged	

forest.	

		 	

Figure	 3.2.	 Proportion	 of	 mammalian	 taxonomic	 groups	 recorded	 in	 the	
leech	blood-meals	from	2015	and	2016.	based	on	taxonomic	order	(left)	and	

family	 (right)	 for	 each	 forest	 type.	 Sample	 number	 shown	 in	white	 at	 the	

base	of	each	bar.	
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3.4.3.	Taxon	diversity	

I	 observed	 17	 genera	 across	 all	 samples,	 but	 using	 the	 Chao2	 non-parametric	

estimator,	richness	was	calculated	as	19.24	(±3.38)	genera	(Table	3.3).	The	alpha	

diversity	 I	 observed	 was	 greatest	 in	 the	 twice-logged	 forests	 and	 lowest	 in	 the	

primary	forest.	Based	on	the	richness	estimator	richness	values,	however,	I	found	

that	for	heavily	logged	forest	had	the	lowest	diversity	of	the	four	forest	types,	and	

closest	 to	 the	 observed	 richness	 value.	 The	 estimated	 richness	 for	 the	 primary	

forest	 sites	 increases	 by	 over	 50%,	 potentially	 as	 a	 consequence	 of	 the	 small	

sample	size	in	this	forest	type,	although	with	a	large	standard	error	the	value.		

	

	

The	 greatest	 differences	 in	 accumulation	 of	 genera	 along	 the	 habitat	 gradient	 is	

seen	 for	 genera	 richness	 (q	 =	 0).	 Twice-logged	 forest	 sites	were	 associated	with	

greater	diversity	and	more	rapid	accumulation	of	mammal	genera	compared	to	the	

primary,	heavily	logged	and	riparian	forests	(Figures	3.3B-E).	The	curve	for	twice-

logged	forest	also	most	closely	matches	that	of	all	samples	combined	(Figures	3.3A	

&	 C).	 Sampling	 in	 heavily	 logged	 forest	 has	 almost	 reached	 the	 asymptote	 for	

richness,	 indicating	 near-complete	 detection	 of	 the	 full	 assemblage	 of	mammals	

that	are	fed	on	by	leeches	in	this	disturbed	forest	type	(Figure	3.3D).	Looking	at	the	

accumulation	 of	 diversity	 at	 the	 two	 orders	 of	 Hill	 numbers,	 exponential	 of	

Shannon’s	diversity	index	(q	=	1)	and	the	inverse	of	Simpsons	diversity,	the	habitat	

specific	 differences	 become	 minimal	 (Figures	 3.3F-O).	 The	 same	 pattern	 of	

diversity	accumulation	is	seen	for	the	heavily-logged	and	twice-logged	forest	sites	

when	 analysing	 the	 Simpson’s	 diversity	metric	 (Figures	 3.3M	&	N).	However,	 all	

Table	 3.3.	Observed	 and	 estimated	 taxon	 richness	 at	 the	 genus	 level.	 Estimated	
richness	 calculated	 with	 the	 Chao2	 estimator	 (Chao,	 1987),	 for	 all	 samples	

combined	and	for	each	forest	type	separately	

Forest	type	 Observed	richness	 Estimated	richness	(±S.E)	 Sample	size	

All	samples	 17	 19.24	(3.38)	 181	

Twice-logged	 14	 17.07	(3.60)	 57	

Heavily	logged	 10	 11.97	(3.68)	 60	

Riparian	 10	 13.90	(5.17)	 41	

Primary	 7	 14.65	(11.17)	 23	
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three	diversity	curves	for	primary	forest	habitat	indicate	under	sampling	(Figures	

3.3B,	G	&	L),	where	even	after	 the	recommended	extrapolation	the	curves	do	not	

reach	a	stable	plateau	
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Figure	 3.3.	 Diversity	 accumulation	
curves	(at	the	genus	level)	comparing	
the	effect	of	increasing	leech	samples	
on	 the	 taxonomic	 diversity.	 The	
curves	 are	 calculated	 using	 three	
orders	 of	 hill	 numbers,	 q	 =	 0,	 1	 &	 2	
which	 are	 equivalent	 to	 species	
richness,	 Shannon	 diversity	 index	
and	Simpson	 index,	 respectively.	The	
diversity	of	all	samples	combined	(A,	
F	 &	 K)	 is	 compared	 to	 the	
accumulation	of	diversity	 in	 the	 four	
different	habitat	types:	primary	(B,	G	
&	 L),	 twice-logged	 (C,	 H	 &	 M),	
heavily-logged	(D,	I	&	N)	and	riparian	
(E,	 J	 &	 O).	 The	 x-axis	 varies	
depending	on	the	number	of	samples.	
The	solid	line	represents	the	rarefied	
values,	 and	 the	 dashed	 line	
represents	 the	 extrapolated	 values	
and	 is	 extended	 to	 double	 the	
reference	 sample	 (empirical	 value,	
solid	circle).	The	accumulation	curves	
are	 presented	 with	 84%	 confidence	
interval	which	has	been	shown	to	be	
equivalent	to	a	significance	value	of	α	
=	 0.05	 (MacGregor-Fors	 &	 Payton,	
2013)	

87	
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3.4.4.	Effects	of	habitat	quality	on	mammal	diversity	

To	obtain	a	 single	measure	of	 vegetation	structure	 for	use	 in	models	of	mammal	

diversity,	 I	 first	 performed	 a	 principal	 component	 analysis	 (PCA)	 of	 the	 four	

measures	 of	 vegetation	 structure	 across	 the	 study	 sites.	 In	 this	 analysis,	 PC1	

explained	 86.9%	 of	 the	 variation,	 and	 PC2	 and	 PC3	 explained	 8.4%	 and	 4.7%,	

respectively	(Figure	3.4,	Supplementary	Figure	S3.3)	The	PCA	showed	separation	

of	sites	classified	as	logged	forest	from	those	classified	primary	forest,	with	further	

separation	 of	 sites	 based	 of	 logging	 intensity.	 Sites	 from	 heavily	 logged	 and	

riparian	forest	formed	broadly	overlapping	clusters,	with	the	exception	of	the	least	

disturbed	riparian	site	(RLFE)	that	was	more	similar	to	other	sites	sampled	from	

within	 the	 same	 continuous	 twice-logged	 forest.	 Examination	 of	 the	 vector	

loadings	revealed	that	primary	forest	and	twice-logged	forest	are	correlated	with	

greater	 above-ground	 biomass,	 canopy	 height	 and	 proportion	 forest	 cover.	

Conversely,	 heavily	 logged	 and	 riparian	 forest	 are	 more	 closely	 associated	 with	

habitat	 clustering,	 indicative	 of	 canopy	 height	 heterogeneity,	 and	 gap	 fraction	

(inverse	 of	 forest	 cover)	 (Figure	 3.4).	When	 plotting	 PC1	 against	 PC3,	 the	 same	

patterns	are	seen	but	with	larger	confidence	ellipses	(Supplementary	Figure	S3.3).	
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Figure	3.4.	Principal	 component	analysis	 (PCA)	 showing	 the	 relationship	between	
components	 of	 vegetation	 structure	 (as	 calculated	 from	 LiDAR	 data)	 and	 the	
sampling	 sites	 where	 surveys	 took	 place.	 The	 first	 (PC1)	 and	 second	 (PC2)	 axis,	
which	explain	 the	most	 total	 variation,	 are	 shown	with	 the	 respective	percentages.	
Points	are	labelled	with	the	site	ID	and	the	mean	centroid	point,	while	habitat	types	
are	 denoted	 by	 different	 symbols	 and	 colours.	 Ellipses	 show	 the	 95%	 confidence	
intervals	 around	 the	 four	 habitat	 types.	 The	 vegetation	metrics	 shown	 are	 habitat	
heterogeneity	 (Clustering),	 forest	 cover	 (Prop_cover),	 gap	 fraction	 (Prop_gaps),	
aboveground	 biomass	 (Biomass)	 and	 canopy	 height	 (Canopy_height),	 and	 the	
direction	of	arrows	shows	the	relationship	between	the	metrics	and	sites.		
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To	 determine	 the	 impact	 of	 habitat	 quality	 on	mammal	 diversity	 (Richness	 and	

Shannon	 diversity	 index)	 I	 constructed	 GLMMs	 including	 continuous	 metrics	 of	

vegetation	 structure	 (PC1	 from	my	PCA)	 and	 the	 categorical	 forest	 type.	 For	 the	

models	 in	which	 richness	was	 the	 response	 variable,	 I	 found	 three	models,	 each	

associated	with	 a	 ΔAIC	 of	 <4	 and	with	 a	 corresponding	AIC	weight	 of	 >0.09.	 All	

three	models	included	the	fixed	effects	of	both	year	and	forest	type	(Table	3.4;	all	

model	 summary	 in	Supplementary	Table	S3.1).	Greater	 richness	was	detected	 in	

the	wet	 season	 (2016)	 compared	 to	 the	 dry	 season	 (2015).	 Additionally,	 higher	

richness	 was	 detected	 in	 twice-logged	 forest	 types	 compared	 to	 heavily	 logged	

forest	 (Figure	 3.5)	 but	 this	 difference	was	 not	 significant	 (Table	 3.5).	 These	 two	

variables	 were	 the	 only	 significant	 predictors	 of	 richness	 in	 the	 leech	 pools;	

differences	 in	 annual	 richness	 are	 shown	 in	Figure	 3.5.	 There	was	 no	 significant	

effect	of	either	the	continuous	vegetation	metrics	(PC1)	or	the	number	of	leeches	

sequenced,	and	there	was	only	weak	and	non-significant	support	for	an	interaction	

between	forest	type	and	year.	The	fixed	effects	in	the	best-fitting	models	explained	

approximately	20%	of	the	variance	in	species	richness	(R2	=	0.23).	

	

For	 the	 models	 with	 the	 Shannon	 diversity	 index	 as	 the	 response,	 model	

simplification	 using	 likelihood	 ratio	 testing	 resulted	 in	 a	 single	model	with	 only	

year	remaining	as	a	fixed	effect	(Table	3.4;	model	comparisons	in	Supplementary	

Table	 S3.2).	 However,	 year	was	 not	 a	 significant	 predictor	 of	 Shannon	 diversity	

index	and	given	that	this	metric	is	more	heavily	weighted	toward	common	species;	

these	 model	 results	 imply	 common	 species	 show	 no	 clear	 response	 to	 habitat	

quality	for	either	year.	
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Table	3.4.	Best	 fitting	 Poisson	GLMM	models	as	 determined	 by	ΔAIC.	 The	model	 residual	
deviance,	 the	 conditional	 R2	 and	weight	 is	 given.	 The	 response	 variable	 for	 each	model	 is	
either	 Richness	 or	 Shannon-diversity	 index.	 The	 fixed	 effects	 structure	 for	 each	 model	 is	
shown	 where	 ‘Type’	 =	 forest	 type,	 ‘Year’	 =	 sampling	 year,	 ‘Leeches’	 =	 number	 of	 leeches	
sequenced	and	‘Year:Type’	=	interaction	between	year	and	forest	type	

Model	 Response	 Fixed	effects	 DF	 AIC	 ΔAIC	 Weight	 Resid.	
dev.	

Cond	
R2	

M4.SR	 Richness	 Year	+	Type	+Year:Type	 7	 397.6	 0.0	 0.45	 149.0	 0.23	

M3.SR	 Richness	 Year	+	PCA	+	Type	+	
Year:Type	

8	 398.4	 0.8	 0.30	 149.3	 0.23	

M2.SR	 Richness	 Year	+	PCA	+	Type	+	
Leeches	+	Year:Type	

9	 399.9	 2.3	 0.14	 149.8	 0.23	

M7.sh	 Shannon	 Year	 4	 153.8	 0.0	 0.98	 125.7	 0.13	

Figure	3.5.	Comparison	of	the	number	of	genera	detected	from	within	the	leech	
pools	sampled	across	the	habitat	gradient,	from	twice-logged,	heavily-logged	and	
riparian	 forest,	 in	 2015	 (dry	 season)	 compared	 to	 2016	 (wet	 season).	 Primary	
forest	was	not	 included	as	 it	was	not	sampled	in	2015.	Richness	 is	measured	 in	
number	of	unique	genera	detected	in	each	forest	type	
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Table	 3.5.	 Model	 summary	 table	 for	 each	 of	 the	 best-fitting	 GLMM	 Poisson	
models	 from	 the	 candidate	 model	 set.	 Three	 models	 with	 Richness	 as	 the	
response	 variable	 (M4.SR,	 M3.SR,	 &	M2.SR)	 and	 one	model	 with	 the	 Shannon	
diversity	index	as	the	response	variable	(M7.sh).	Estimates	for	each	parameter	is	
given	with	 the	 corresponding	 standard	 error	 and	 *	 indicates	 the	 parameter	 is	
significant	at	0.05		

Parameter	(±S.E)	 M4.SR	 M3.SR	 M2.SR	 M7.sh	

Intercept	 -0.13		(0.16)	 		0.02		(0.18)	 -0.04			(0.51)	 	0.15	(0.04)	

Wet	(2016)	 	0.68*	(0.16)	 		0.71*	(0.16)	 	0.71*		(0.16)	 	0.26	(0.06)	

PCA	 	 -0.02		(0.02)	 -0.02			(0.02)	 	

Heavily	logged	 	0.14		(0.17)	 	0.27		(0.19)	 	0.27			(0.19)	 	

Logged		 -0.14		(0.17)	 -0.27		(0.19)	 -0.27			(0.19)	 	

Riparian		 -0.44		(0.24)	 -0.50*	(0.24)	 -0.50*	(0.24)	 	

Leeches	 	 	 	0.01			(0.05)	 	

	

3.4.5.	Spatial	and	temporal	changes	in	community	

In	the	NMDS	using	the	Chao	dissimilarity	index	(Figure	3.6),	I	found	no	separation	

between	 the	 mammal	 communities	 identified	 from	 leeches	 among	 the	 sites	

regardless	of	forest	type.	Similarly,	I	also	found	no	significant	relationship	between	

the	 NMDS	 and	 continuous	 vegetation	 metrics	 when	 fitting	 the	 environmental	

vectors	to	the	ordination.	However,	I	found	a	clear	separation	in	the	communities	

sampled	between	2015	and	2016.	This	result	was	supported	by	the	PERMANOVA	

analysis.	 The	 overall	model	 explained	 a	 total	of	 40%	of	 the	 variance	 in	mammal	

communities	among	sites	(R2	=	0.41).	Of	this	total	variance,	year	explained	15%	(R2	

=	0.17,	p	>	0.05)	and	the	interaction	between	year	and	habitat	explained	a	further	

15%	(R2	=	0.17,	p	=	0.07)	(Table	3.6).	
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Table	3.6.		PERMANOVA	model	summary	showing	the	explained	
variation	 for	each	parameter	R2	after	9999	 iterations	 calculated	
using	the	Chao	dissimilarity	index.	*	indicates	 the	significance	of	
the	parameter	in	the	model	at	0.05	

		 DF	 R2	 F	value	 P	(of	model)	

Overall	 6	 0.42	 1.75	 0.054	

Year	 1	 0.18	 4.31	 <0.05*	

Habitat	 3	 0.09	 0.75	 0.68	

Interaction	 2	 0.16	 1.98	 0.08	

Residual	 14	 0.57	 	 	
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Figure	 3.6.	 Non-metric	 multidimensional	 scaling's	 (NMDS)	 ordinations	 using	 the	 Chao	 dissimilarity	 index	 to	 show	 the	
difference	 in	 community	 structure	 between	 sampling	 sites.	 Ellipses	 represent	 the	 95%	 confidence	 interval	 when	 sites	 are	
grouped	by	(A)	forest	type	which	indicates	that	the	communities	of	all	three	habitat	types	are	overlapping	and	(B)	year	where	
2015	was	the	dry	season	and	2016	was	the	wet	season.	Stress	value	for	the	ordination	=	0.13.	
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3.5.	Discussion	

	

In	 this	study	I	aimed	to	test	whether	 leech-based	 iDNA	surveys	could	be	used	to	

assess	 mammalian	 diversity	 across	 a	 habitat	 degradation	 gradient	 in	 Borneo.	

Overall,	I	identified	17	mammalian	genera	from	181	pools	of	leeches	(Haemadipsa	

picta)	 representing	 1,724	 individual	 leeches.	 The	 majority	 of	 the	 mammals	

detected	were	larger	bodied	members	of	the	orders	Cetartiodactyla	and	Carnivora,	

with	 the	 greatest	 number	of	 genera	 detected	 from	 the	Viverridae	 (civets)	 family	

(four	 genera).	 In	 total,	 this	 study	 revealed	 seven	 mammal	 taxa	 that	 were	 not	

previously	 recorded	 in	 the	 comparison	 of	 two	 leeches	 (see	 Chapter	 2).	 These	

additional	 taxa	 comprised	 Bos	 sp.,	 Prionailurus	 sp.,	 Manis	 javanica,	 Helarctos	

malayanus,	 Arctogalidia	 trivirgata,	 Paguma	 larvata	 and	 Elephas	 maximus.	

Conversely,	three	taxa	that	were	previously	reported	(Chapter	2)	were	not	found	

in	 this	 dataset:	 Echinosorex	 gymnura,	 Rattus	 sp.	 and	 Trachypithecus	 sp..	 In	

generating	the	sequences	for	this	chapter,	I	used	a	modified	protocol	to	re-extract	

DNA	from	samples	collected	from	2015	that	were	previously	used	in	Chapter	2	and	

this	 discrepancy	 is	 likely	 to	 be	 reflecting	 the	 stochastic	 nature	 of	 PCR-based	

sampling.		

	

3.5.1.	Estimating	mammalian	richness	with	leeches	

Using	 the	bias-corrected	Hill	numbers	 to	generate	diversity	accumulation	 curves	

showed	near	complete	sampling	when	all	samples	were	combined,	from	across	the	

habitat	 gradient.	 In	 contrast,	 considering	 the	 forest	 types	 separately,	 the	

accumulation	 curve	 of	 diversity	 did	 not	 plateau,	 implying	 that	 leech-based	

sampling	 of	 individual	 habitats	was	 incomplete.	 This	was	 particularly	 evident	 in	

the	 riparian	 habitats	 that	 were	 the	 least	 intensively	 surveyed.	 In	 general,	 these	

trends	were	most	pronounced	where	q	=	0	(species	richness).	At	the	higher	order	

Hill	numbers	q	=	1	(corresponding	to	the	exponential	of	Shannon’s	diversity	index)	

and	 q	 =	 2	 (inverse	 Simpson	 concentration	 index),	 which	 accounts	 for	 species	

evenness	 and	 dominance	 respectively,	 there	 was	 less	 difference	 between	 forest	

types.	These	findings	imply	that	variation	in	simple	species	diversity	(q	=	0)	among	

forest	types	is	driven	by	the	presence	of	particularly	rare	or	abundant	species.	
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Overall	 the	 results	 from	 my	 generalised	 linear	 mixed	 effects	 models,	 which	

accounted	for	the	nested	nature	of	the	sampling	design,	showed	a	greater	diversity	

of	 mammals	 in	 2016	 than	 in	 2015.	 In	 terms	 of	 spatial	 differences	 in	 mammal	

diversity	across	the	degradation	gradient,	I	found	that	taxon	richness	was	lower	in	

the	 heavily	 logged	 forest	 than	 in	 the	 twice-logged	 forest	 but	 that	 there	 was	 no	

difference	in	Shannon	diversity	index.	Other	studies	of	Bornean	diversity	have	also	

demonstrated	high	 levels	of	diversity	 in	 logged	 forest.	 For	example,	Wearn	et	al.	

(2017)	found	an	increase	in	mammal	abundance	along	a	gradient	from	primary	to	

logged	forest,	although	there	was	a	sharp	decrease	in	oil	palm	habitats,	which	were	

not	sampled	in	my	study	due	to	the	absence	of	leeches.	Although	the	finding	that	

logged	 forests	 retain	much	of	 the	diversity	of	primary	 forests	has	been	 reported	

from	wide	geographical	regions	and	taxonomic	groups	(Putz	et	al.	2012),	relatively	

few	 studies	 have	 examined	 the	 impacts	 of	 multiple	 rounds	 of	 logging.	 In	 one	

exception	 Edwards	 et	 al.	 (2011)	 (Edwards	 et	 al.	 2011)	 showed	 that	 while	 the	

initial	logging	event	can	have	negative	effects	for	some	taxa,	subsequent	rounds	of	

logging	have	greater	negative	effects	on	biodiversity.	Nonetheless,	 this	study	also	

showed	that	considerable	biodiversity	persisted	in	even	the	most	degraded	forest.	

The	 results	 from	my	own	study	 support	 these	 trends,	with	 the	greatest	 richness	

detected	in	heavily	degraded	sites.	Indeed,	my	analysis	of	community	dissimilarity	

showed	no	clear	differences	in	composition	between	any	of	the	logged	forest	sites.	

Comparisons	 of	multiple	 land-use	 classes	 show	 that	 logged	 forest	 can	 support	 a	

greater	 number	 of	 species	 than	 the	 relatively	 depauperate	 landscapes	 of	

plantations	or	pastures	(Edwards	et	al.	2014).	My	results	would	support	the	notion	

that	logged	forests	retain	species	and	therefore	hold	conservation	value,	and	thus	

also	indicate	that	some	mammal	species	are	resilient	to	recent	logging	events.		

	

Despite	 the	 differences	 in	 mammal	 richness	 between	 twice-	 and	 heavily	 logged	

forest,	 I	 found	 surprisingly	 no	 effect	 of	 vegetation	 structure	 on	 the	 relative	

diversity	of	detections.	This	is	contrary	to	the	findings	of	Wearn	et	al.	(2017)	who	

found	 a	 strong	 relationships	 between	mammalian	 abundance,	 and	 above-ground	

biomass	 and	 forest	 cover.	 Yet,	 the	 results	 of	 the	 principal	 component	 analysis	

(Figure	3.4)	showed	that	the	coarse-scale	forest	type	groupings	showed	separation	

for	the	continuous	metrics,	except	the	riparian	versus	the	heavily	logged	sites.	One	



	

	

97	

plausible	explanation	for	the	apparent	lack	of	influence	of	vegetation	structure	on	

mammals	 is	 there	 could	 be	 a	mis-match	 in	 spatial	 scale	 between	 the	 vegetation	

data	and	the	response	of	the	mammal	to	the	environment.	Indeed,	the	spatial	scale	

of	the	covariates	should	be	tailored	to	the	individual	focal	species	using	averaged	

home-range	sizes	or	simulations	(Niedballa	et	al.	2015).	

	

3.5.2.	Seasonality	and	detection	of	diversity	

A	 principal	 result	 of	 my	 analyses	 was	 a	 strong	 effect	 of	 year	 on	 mammalian	

diversity	detected	across	the	habitat	gradient,	which	was	more	pronounced	than	

for	 any	 other	 metric.	 There	 were	 also	 differences	 in	 community	 composition	

revealed	 by	my	 analyses	 of	 Chao	 dissimilarity.	 This	might	 be	 reflecting	 seasonal	

differences	as	the	samples	were	collected	once	in	the	rainy	season	(2016)	and	once	

in	the	dry	season	(2015).	Thus,	the	differences	in	diversity	could	be	a	consequence	

of	 changes	 in	 food	 availability	 or	 optimal	 conditions	 for	 forest	 mammals	

determining	 which	 species	 were	 available	 for	 the	 leeches	 to	 feed	 upon.	 For	

example,	 tree	 phenology	 will	 affect	 the	 distribution	 (and	 thus	 the	 detection)	 of	

frugivores	(Fleming	et	al.	1987).	Indeed,	my	results	show	an	increased	diversity	of	

frugivorous	species,	such	as	civets,	during	the	rainy	season.	

	

Yet	due	to	the	complex	and	heterogeneous	nature	of	this	human-modified	tropical	

landscape	 there	 are	 additional	 factors	 which	 could	 be	 intensifying	 these	

differences,	 such	 as	 logging.	 Although	 logging	 at	 the	 wider	 SAFE	 field	 site	 was	

ongoing	throughout	the	sampling	periods,	such	that	the	heavily	logged	sites	were	

being	 degraded	 over	 the	 life-time	 of	 the	 project	 (Ewers	 et	 al.	 2011),	 logging	

intensity	was	lower	during	2016.	Thus,	even	though	the	sites	in	2016	had	suffered	

more	timber	extraction,	there	was	a	reduction	of	mechanical	noise.	Mammals	have	

been	shown	to	be	sensitive	to	the	intensity	of	logging	(Burivalova	et	al.	2014),	so	

the	 reduction	 of	 human	 activity	 could	 be	 linked	 to	 the	 higher	 diversity	 in	 2016.	

Also	noteworthy	is	that	sites	in	2016	showed	considerable	regrowth	of	grasses	and	

pioneer	tree	species,	 and	several	studies	have	 reported	the	re-growth	of	pioneer	

trees	 is	 linked	 to	 increased	 abundance	 of	 food	 sources	 for	 herbivores	 and	

frugivores,	 including	 browsing	 species,	 such	 as	 the	 sambar	 deer	 (Brodie	 et	 al.	

2014a;	 Granados	 et	 al.	 2016).	 Large	 ungulates,	 which	 make	 up	 the	 bulk	 of	 my	
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detections,	are	also	primary	targets	for	poaching.	With	the	reduced	human	activity,	

associated	 poaching	 may	 have	 decreased.	 The	 pressures	 on	 mammals	 from	

poaching	is	thought	to	be	a	greater	concern	that	the	direct	effects	of	logging	itself	

(Brodie	et	al.	2014b).	

	

An	additional	potential	cause	of	the	observed	inter-annual	variation	that	needs	to	

be	considered	is	the	occurrence	of	the	large	El	Niño/Southern	Oscillation	(ENSO)	

in	 2015.	 The	 sampling	 in	 2015	 took	 place	 during	 the	 El	 Niño,	 which	 in	 Borneo	

typically	manifests	as	prolonged	dry	seasons	and	 increased	fire	risks	(Chen	et	al.	

2016).	The	impacts	of	dry	weather	associated	with	the	El	Niño	on	biodiversity	are	

known	to	be	especially	severe	in	fragmented	landscapes,	such	as	SAFE	(Pfeifer	et	

al.	2017),	due	to	edge	effects	(Fletcher	et	al.	2018).		

	

It	 must	 also	 be	 considered	 that	 conducting	 slightly	 different	 extractions	 on	 the	

samples	may	have	led	to	differences	in	the	detected	diversity.	Samples	which	were	

re-extracted	from	a	lysate	(and	not	an	original	tissue)	have	a	higher	risk	of	being	

degraded	 through	 increased	 freeze-thaw	 cycles	 and	 stability	 of	 sample	 in	 the	

extraction	 buffers.	 These	 were	 samples	 collected	 in	 the	 dry	 season	 of	 2015.	

Different	 extractions	 protocols	 have	 been	 shown	 to	 result	 in	 different	 levels	 of	

detections	 (Deiner	 et	 al.	 2015),	 however,	 initial	 DNA	 quantification	 showed	 the	

concentrations	to	be	comparable	and	the	ability	to	use	these	samples	allowed	for	

an	important	comparison.		

	

3.5.3.	Comparisons	with	other	studies		

Previous	studies	using	terrestrial	 leeches	have	reported	higher	rates	of	detection	

than	 those	 reported	 in	 this	 current	 study.	 For	 example,	 Schnell	 et	 al.	 (2012)	

detected	 mammal	 DNA	 in	 21	 out	 of	 25	 individual	 leeches,	 although	 this	 was	 a	

small-scale	 study	 in	 which,	 unlike	 my	 study,	 the	 leeches	 were	 not	 pooled.	 It	 is	

therefore	possible	that	that	the	process	of	pooling,	while	allowing	high	throughput	

screening	 of	 large	 sample	 sizes,	 risks	 the	 obscuring	 of	 rare	 DNA	 as	 it	 is	

outcompeted	 by	 more	 common	 sequences	 during	 PCR	 (Pompanon	 et	 al.	 2012).	

Aside	from	methodological	differences,	variation	among	the	detection	rates	could	

also	reflect	regional	or	habitat	differences	 in	 the	communities	being	studied.	 In	a	
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recent	study	of	leeches	samples	from	across	the	Palaeotropics,	Schnell	et	al.	(2018)	

applied	a	pooling	method	and	detected	multiple	vertebrate	classes	including	birds	

and	 reptiles	 (using	 the	 same	 primers),	 however,	 only	 mammals	were	 identified	

from	 the	 Bornean	 samples	 that	 were	 included	 in	 this	 broad-scale	 study.	 Other	

studies	 have	 also	 reported	 detection	 from	birds	 in	 leeches	 collect	 from	different	

regions	of	Southeast	Asia	(Tessler	et	al.	2018).	

	

Comparing	the	results	from	my	study	to	those	from	the	Bornean	leeches	screened	

by	Schnell	et	al.	(2018),	I	found	the	same	mammalian	families,	but	with	additional	

detections	 for	 Manidae,	 and	 Elephantidae.	 One	 of	 the	 claimed	 benefits	 of	 using	

leech	iDNA	is	the	speed	at	which	samples	can	be	collected.	Indeed,	Weiskopf	et	al.	

(2017)	analysed	leeches	collected	over	a	four-day	period	in	Bangladesh	and	found	

12	mammal	species,	which	represented	half	of	the	species	identified	from	the	same	

site	 from	 over	 1300	 camera	 trap	 nights.	 Weiskopf	 et	 al.	 (2017)	 also	 compared	

costs	 of	 sampling	 using	 leeches	 and	 camera	 traps,	 and	 found	 that	 leech-based	

sampling	with	pooling	and	high	throughput	sequencing	was	by	 far	 the	most	cost	

effective	due	to	drasatic	reductions	in	the	costs	of	field	work.	

	

Despite	 this,	camera	trapping	remains	the	most	successful	and	comprehensive	 in	

terms	of	sampling	completeness	for	terrestrial	mammals.	Comparing	my	results	to	

those	of	a	camera	trapping	study	performed	at	the	same	site	I	found	that	of	the	25	

mammal	genera	detected	at	least	once	by	Deere	et	al.	(2017),	17	(68%)	were	also	

recorded	here.	However,	I	also	detected	Bos	sp.	and	the	Bornean	gibbon	(Hylobates	

muelleri),	 neither	 of	which	were	 reported	 by	Deere	 et	 al.	 (2017),	 demonstrating	

the	 potential	 of	 iDNA	 as	 a	 complementary	 technique	 to	 camera	 trapping	 In	

particular,	the	addition	of	the	arboreal	gibbon	is	intriguing.	While	H.	picta	is	known	

to	be	able	to	climb	upwards	in	the	understory,	little	else	is	known	as	to	whether	it	

forages	in	the	canopy.	Thus,	understanding	more	about	the	behaviour	and	space-

use	of	H.	picta	 could	help	us	to	 tailor	 iDNA	studies	 towards	particular	mammals.	

Uncertainty	around	 the	 independent	dispersal	 ability	of	 terrestrial	 leeches	when	

not	 attached	 to	 a	 host	 remains	 a	 potentially	 significant	 cause	 of	 error	 in	 data	

interpretation.	 Although	 I	 (as	 with	 all	 iDNA	 studies	 of	 leeches	 to	 date)	 have	
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assumed	that	a	leech	has	not	travelled	unless	being	transported	by	a	mammal	(or	

other	vertebrate	host)	more	work	is	needed	to	test	this	assumption.	

	

3.6.	Conclusion	

My	 results	 show	 that	 the	 sequencing	 of	 leech	 iDNA	 can	 be	 used	 to	 determine	

differences	in	relative	diversity	across	different	forest	types,	as	well	as	over	time.	I	

have	 shown	 that	 while	 leeches	 cannot	 provide	 an	 exhaustive	 catalogue	 of	 the	

mammals	 present	 at	 a	 given	 site,	 leech	 iDNA	 is	 nevertheless	 still	 capable	 of	

assaying	a	representative	mammalian	community,	with	detection	richness	close	to	

that	 of	 camera	 traps	 for	 Sabah.	 By	 comparing	 the	 relative	 diversity	 across	 the	

habitat	gradient	of	degradation,	I	was	able	to	pinpoint	areas	with	greater	richness	

and	 diversity.	 Working	 towards	 monitoring	 with	 iDNA,	 technical	 aspects	 of	 this	

method	would	benefit	from	further	development	for	individual	identifications	for	

example	 and	 a	 deeper	 understanding	 leech	 foraging	 behaviour.	 My	 findings	

showcase	 the	 potential	 for	 using	 iDNA	 based	 sampling	methods	 for	 biodiversity	

surveys	in	degraded	and	pristine	tropical	forests.	
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3.7	Supplementary	information
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Supplementary	tables	

Table	S3.1.	Candidate	model	set	with	genus	richness	as	the	response	variable.	Model	comparison	is	based	on	ΔAIC		

Model	 Response	 Fixed	effects	 DF	 AIC	 ΔAIC	 weight	 Res.	Dev.	
M1.SR	 Richness	 Year	+	Habitat	+	PC1	+	Leech	+	Year:PC1	+	Year:Habitat	 10	 401	 3.8	 0.06	 151.0	
M2.SR	 Richness	 Year	+	Habitat	+	PC1	+	Leech	+	Year:Habitat	 9	 399	 1.8	 0.16	 148.7	
M3.SR	 Richness	 Year	+	Habitat	+	PC1	+	Year:Habitat	 8	 397	 0.0	 0.40	 148.4	
M4.SR	 Richness	 Year	+	Habitat	+	Year:Habitat	 7	 397	 0.3	 0.34	 148.7	
M5.SR	 Richness	 Year	+	Habitat	 5	 402	 4.9	 0.04	 159.6	
Null.SR	 Richness	 Only	random	effect	 2	 421	 24.4	 <0.001	 180.9	
	
	

	
	Table	S3.2.		Candidate	model	set	with	Shannon-diversity	index	as	the	response	variable.	Model	comparison	is	based	on	ΔAIC	

Model	 Response	 Fixed	effects	 DF	 AIC	 ΔAIC	 weight	 Res.	Dev.	
M1.sh	 Shannon	 Year	+	Habitat	+	PC1	+	Leech	+	Year:PC1	+	Year:Habitat	 11	 185	 32.0	 <0.001	 154.3	
M2.sh	 Shannon	 Year	+	Habitat	+	PC1	+	Leech	+	Year:Habitat	 10	 176	 23.2	 <0.001	 135.8	
M4.sh	 Shannon	 Year	+	Habitat	+	Leech	+	Year:Habitat	 9	 169	 16.2	 <0.001	 128.9	
M5.sh	 Shannon	 Year	+	Habitat	+	Year:Habitat	 8	 164	 10.3	 0.005	 122.1	
M6.sh	 Shannon	 Year	+	Habitat		 6	 162	 8.4	 0.01	 122.1	
M7.sh	 Shannon	 Year	 4	 153	 0.0	 0.98	 121.9	
Null.sh	 Shannon	 Only	random	effect	 3	 165	 11.3	 0.003	 126.1.	
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Supplementary	figures	

	

	

	
Figure	 S3.1.	 The	 results	 of	 a	 preliminary	 experiment	 comparing	 two	
DNA	extraction	protocols	used	in	Chapter	two	and	Chapter	three	-	new	=	
is	the	protocol	used	in	Chapter	3	with	the	additional	lysis	buffer	(AL)	and	
old	 =	 used	 in	 Chapter	 2.	 Four	metrics	 are	 shown	 calculated	 for	 all	 the	
samples	 (1)	 number	 of	 taxa	 assigned	 to	 OTUs,	 (2)	 number	 of	 OTUs	
initially	identified,	(3)	Shannon	diversity	index	and	(4)	the	total	number	
of	reads	generated.		
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Figure S3.2. Diversity	 accumulation	
curves	 (at	 the	 genus	 level)	
comparing	 the	 effect	 of	 increasing	
leech	 samples	 on	 the	 taxonomic	
diversity.	 The	 curves	 are	 calculated	
using	three	orders	of	hill	numbers,	q	
=	 0,	 1	 &	 2	 which	 are	 equivalent	 to	
species	 richness,	 Shannon	 diversity	
index	 and	 Simpson	 index,	
respectively.	 The	 diversity	 of	 all	
samples	 combined	 (A,	 F	 &	 K)	 is	
compared	 to	 the	 accumulation	 of	
diversity	in	the	four	different	habitat	
types:	 primary	 (B,	 G	 &	 L),	 twice-
logged	(C,	H	&	M),	heavily-logged	(D,	
I	&	N)	and	riparian	(E,	J	&	O).	The	x-
axis	varies	depending	on	the	number	
of	samples.	The	solid	line	represents	
the	 rarefied	 values,	 and	 the	 dashed	
line	 represents	 the	 extrapolated	
values	and	is	extended	to	double	the	
reference	 sample	 (empirical	 value,	
solid	 circle).	 The	 accumulation	
curves	 are	 presented	 with	 95%	
confidence	intervals			
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Figure S3.3. Principal	component	analysis	(PCA)	showing	the	relationship	between	
components	 of	 vegetation	 structure	 (as	 calculated	 from	 LiDAR	 data)	 and	 the	

sampling	 sites	where	 surveys	 took	 place.	 The	 first	 (PC1)	 and	 third	 (PC3)	 axis	 are	

shown	with	the	respective	variation	they	explain.	Points	are	labelled	with	the	site	ID	

and	the	mean	centroid	point,	while	habitat	 types	are	denoted	by	different	symbols	

and	 colours.	 Ellipses	 show	 the	 95%	 confidence	 intervals	 around	 the	 four	 habitat	

types.	 The	 vegetation	metrics	 shown	 are	 habitat	 heterogeneity	 (Clustering),	 forest	

cover	 (Prop_cover),	 gap	 fraction	 (Prop_gaps),	aboveground	biomass	 (Biomass)	and	

canopy	height	(Canopy_height),	and	the	direction	of	arrows	shows	the	relationship	

between	the	metrics	and	sites.		
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Chapter	4:	Modelling	imperfect	detections	with	multiscale	

occupancy	models	

4.1.	Abstract	

	

Molecular	 surveys	are	 rising	 in	popularity	as	a	way	of	detecting	 species	 that	 are	

shy,	elusive	or	otherwise	difficult	 to	 track.	Yet	these	approaches	remain	prone	to	

the	inherent	issues	of	imperfect	detection.	In	tropical	landscapes,	rapid	forest	loss	

means	 that	 there	 is	 a	 pressing	 need	 for	 reliable	 species	 monitoring.	 Occupancy	

modelling	is	a	powerful	statistical	tool	for	accounting	for	imperfect	detections	that	

has	 been	 widely	 adopted	 for	 analysing	 biodiversity	 survey	 data,	 but	 which	 has	

rarely	 been	 applied	 to	molecular	 data.	 Despite	 this,	 occupancy	models	 offer	 the	

potential	 to	 improve	 invertebrate-derived	 DNA	 (iDNA)	 approaches	 so	 these	

methods	move	beyond	cataloguing	the	presence	of	species	in	an	area.	Specifically,	

occupancy	 models	 can	 help	 address	 problems	 relating	 to	 invertebrates	 feeding	

behaviour	as	well	as	stochasticity	in	the	results	of	PCR	and	DNA	sequencing.	Here	I	

apply	occupancy	modelling	to	ten	mammalian	taxa	for	which	detection	data	were	

generated	from	the	blood	meals	of	leeches	collected	in	primary	and	logged	forest.	

Using	 multiscale	 occupancy	 models,	 I	 estimated	 probabilities	 of	 occupancy	 and	

availability,	as	well	as	detectability,	and	compared	these	values	across	forest	types	

and	 samples.	 My	 findings	 show	 that,	 overall,	 iDNA	 occupancy	 increases	 with	

measures	 of	 habitat	 quality.	 I	 also	 found	 that	 the	 availability	 parameter	 (the	

probability	that	mammal	DNA	was	available	for	detection)	was	affected	to	a	small	

extent	 by	 sampling	 effort.	 In	 terms	 of	 technical	 determinants,	 on	 average,	 iDNA	

detection	probability	 increased	with	the	concentration	of	DNA	in	the	extract.	Yet	

despite	 these	 trends,	 there	 were	 species-specific	 exceptions.	 When	 estimating	

minimum	numbers	of	samples	and	PCR	replicates	needed,	I	found	that	these	were	

strongly	influenced	by	year	and	species,	with	up	to	ten	leech	pool	samples	and	10	

to	 20	 PCR	 replicates	 needed	 for	 >80%	 probabilities	 of	 detection.	 This	 study	

demonstrates	 the	 usefulness	 of	 combining	 occupancy	 models	 with	 iDNA	

approaches.	 At	 the	 same	 time,	 I	 show	 that	 there	 are	 still	 knowledge	 gaps	 and	

limitations	that	need	to	be	addressed	in	using	invertebrate	samplers.	 	
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4.2.	Introduction	

	

4.2.1.	General	occupancy	modelling		

In	 recent	 years	 several	 studies	 have	 demonstrated	 that	 vertebrate	 DNA	 can	 be	

obtained	 from	 blood-feeding	 invertebrates	 (Weiskopf	 et	 al.	 2017;	 Schnell	 et	 al.	

2018;	Tessler	et	al.	 2018),	 and	 this	has	 led	 to	growing	 interest	 in	 the	utility	and	

potential	 of	 invertebrate	 samplers	 for	 biodiversity	 assessments	 (Calvignac-

Spencer	 et	 al.	 2013b;	 Schnell	 et	 al.	 2015a;	 Kocher	 et	 al.	 2017c).	 To	 date,	 most	

invertebrate-derived	 DNA	 (iDNA)	 studies	 have	 focused	 almost	 exclusively	 on	

proving	 the	presence	of	vertebrate	 species,	with	 little	or	no	 consideration	of	 the	

extent	 to	which	 such	methods	 detect,	 or	 fail	 to	 detect,	 species	 that	 are	 present.	

However,	 like	 all	 survey	 methods,	 iDNA	 surveys	 are	 still	 prone	 to	 the	 inherent	

issues	 of	 imperfect	 detection,	 and	 there	 is	 a	 need	 to	 understand	 how	 these	

methods	can	be	improved	to	account	for	sampling	biases.	

	

Occupancy	 modelling	 is	 a	 powerful	 statistical	 tool	 for	 accounting	 for	 imperfect	

detections	that	in	recent	years	has	been	widely	adopted	for	analysing	biodiversity	

survey	data.	In	particular,	the	site-occupancy,	or	proportion	of	sites	occupied	by	a	

species,	is	commonly	used	variable	for	biodiversity	monitoring	(Guillera-Arroita	et	

al.	2010).	The	application	of	occupancy	modelling	to	biodiversity	surveys	attempts	

to	address	 the	 issues	 that	no	 technique	will	 record	all	 individuals	without	error,	

and	that	some	species	are	more	likely	than	others	to	be	missed	by	a	given	survey	

(MacKenzie	et	al.	2002).	Imperfect	detections	can	result	from	false	positives,	such	

as	 through	 the	 misidentification	 of	 a	 species,	 or	 from	 false	 negatives,	 such	 as	

through	 failing	 to	 record	 a	 species	 when	 it	 is	 actually	 present.	 Missing	 the	

detection	of	a	species	during	a	survey	can	have	a	large	impact	on	the	estimates	of	

occupancy,	 resulting	 in	 underestimates	 of	 sites	 occupied	 (Mackenzie	 &	 Royle	

2005).	To	counter	this	problem,	replicate	surveys	needs	to	be	conducted	and	the	

detection	 probabilities	 can	 be	 estimated	 (Guillera-Arroita	 et	 al.	 2010).	

Additionally,	 environmental	 covariates	 are	 routinely	 included	 to	 evaluate	 how	 a	

species’	occupancy	and	detectability	varies	with	particular	habitat	characteristics	

(MacKenzie	 et	 al.	 2006).	 There	 is	 a	 large	 amount	 of	 theoretical	 and	 applied	
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literature	demonstrating	the	flexibility	and	versatility	of	these	models	(MacKenzie	

et	al.	2002;	Royle	&	Link	2006;	Nichols	et	al.	2008).		

	

4.2.2.	Occupancy	models	for	molecular	survey	data	

Despite	 their	potential	utility	and	 relevance,	occupancy	models	have	 rarely	been	

applied	to	the	findings	of	molecular	surveys	(e.g.	Schmidt	et	al.	2013;	Hunter	et	al.	

2015).	Yet	molecular	data	from	invertebrate	samplers	(i.e.	iDNA)	typically	consist	

of	 detections	 and	 non-detections	 of	 prey	 vertebrate	 species	 occurrence	 across	

sites,	from	which	it	is	possible	to	infer	species	occupancy.	In	particular,	occupancy	

modelling	 represents	 a	 statistical	 framework	 that	 enables	 the	 simultaneous	

estimation	of	both	occupancy	and	detection	probabilities	from	biodiversity	survey	

data.	These	methods	have	previously	been	used	to	analyse	survey	data	obtained	by	

a	range	of	methods,	including	camera	traps	(Brodie	et	al.	2014b;	Rich	et	al.	2016)	

and	 point	 counts	 (Royle	 &	 Nichols	 2003).	 Recently,	 occupancy	 models	 and	

multiscale	 (or	 hierarchical)	 extensions	 have	 been	 applied	 to	 species	 occurrence	

data	 detected	 using	 environmental	 DNA	 (eDNA),	 that	 is,	 DNA	 extracted	 from	

environmental	 samples	 (e.g.	 water)	 (Schmidt	 et	 al.	 2013;	 Hunter	 et	 al.	 2015;	

Dorazio	&	Erickson	2017b).		

	

Biodiversity	surveys	based	on	sampling	blood-feeding	leeches	for	iDNA	have	been	

gaining	 interest	 and,	 while	 still	 relatively	 new,	 appear	 to	 offer	 several	 potential	

benefits	 including	 speed	 and	 reduced	 field	 costs	 and	 logistics	 (Weiskopf	 et	 al.	

2017).	Although	there	are	currently	no	published	studies	of	leech-based	iDNA	that	

have	 integrated	 occupancy	 modelling,	 the	 potential	 for	 doing	 so	 has	 been	

discussed	previously	 (Schnell	et	al.	 2015a).	 In	 this	 system,	 there	are	at	 least	 two	

general	 pathways	 by	 which	 imperfect	 detections	 could	 be	 introduced	 into	

occupancy	probability.	First,	it	is	possible	that	the	leeches	themselves	demonstrate	

feeding	preferences.	The	 invertebrate	 sampler	of	 choice	 for	my	studies	has	been	

the	haemadipsid	leeches	(Haemadipsa	picta	and	H.	sumatrana).	These	species	have	

the	 potential	 to	 introduce	 imperfect	 detections	 if	 they	 actively	 avoid	 feeding	 on	

one	 or	 more	 particular	 species,	 even	 when	 that	 species	 is	 present	 in	 the	

environment.	This	would	result	in	an	erroneous	non-detection	causing	occupancy	

to	be	underestimated.	Unfortunately,	 the	general	behaviour	and	ecology	of	 these	
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leech	species,	and	 indeed	of	 terrestrial	 leeches	 in	general,	remains	understudied.	

While	 it	 is	 difficult	 to	 account	 for	 any	 feeding	 biases,	 my	 two	 detailed	 studies	

described	 in	 Chapters	 2	 and	 3	 demonstrate	 broad	 diets	 and	 my	 finding	 of	

generalist	 feeding	 behaviour	 agrees	 with	 other	 studies	 of	 the	 Haemadipsidae	

across	a	greater	extent	of	their	range	(Schnell	et	al.	2018;	Tessler	et	al.	2018).	At	

the	 same	 time,	 however,	 I	 also	 highlight	missing	 groups	 (e.g.	 small	 and	 arboreal	

mammals),	and	I	find	some	evidence	of	differences	between	the	both	leech	species	

examined	(see	Chapter	2).	

	

The	 second	 main	 cause	 of	 imperfect	 detections	 may	 arise	 via	 technical	 bias,	

whereby	 imperfect	 detections	 are	 introduced	 during	 PCR	 and	 sequencing	 of	 the	

leech	samples.	Following	leech	collection,	there	are	many	technical	aspects	of	PCR-

based	metabarcoding	which	can	cause	a	species	DNA	to	be	missed.	These	aspects	

include,	 but	 are	 not	 limited	 to,	 primer	 bias	 (Elbrecht	 &	 Leese	 2015),	 inhibition	

(Goldberg	 et	 al.	 2016)	 and	 bioinformatic	 parameters	 (Alberdi	 et	 al.	 2017).	

Successful	PCR	amplification	also	becomes	more	variable	as	the	rarity	of	DNA	in	a	

sample	increases	(Barnes	&	Turner	2015).	To	account	for	many	of	these	problems,	

metabarcoding	 studies	 routinely	 use	 replicate	 PCR	 reactions	 to	 increase	 the	

confidence	 in	 a	 detection.	 Understanding	 the	 detectability	 of	 particular	 species	

from	both	leech	feeding	and	PCR	amplification	are	important	for	implementing	an	

adequate	number	of	replicates.	

	
4.2.3.	Hierarchical	occupancy	models	and	DNA	

A	classic	two-level	model	contains	the	detection	probability	(p)	and	the	occupancy	

(ψ)	 (Mackenzie	 et	 al.	 2003).	 In	 contrast,	 in	 a	 multiscale	 model,	 detection	

probability	 is	partitioned	 into	two	parameters,	 termed	the	availability	parameter	

(θ)	and	detection	probability	(p)	(Kéry	&	Royle	2016).	Thus,	in	its	basic	form,	the	

three-level	multi-scale	occupancy	model	estimates	three	parameters,	as	follows:	

	

1. Occupancy	probability	(ψ)	-	probability	of	site	occupancy	by	target	species	
2. Availability	probability	 (θ)	 -	probability	of	 site	 used	 by	 the	 target	 species	

during	the	survey	

3. Detection	probability	(p)	-	probability	of	detecting	the	target	species	during	
the	survey		
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Multi-scale	occupancy	models	have	been	used	to	estimate	the	occupancy	of	mobile	

species	 (Mordecai	 et	 al.	 2011).	 Here,	 the	 availability	 parameter	 (θ)	 aims	 to	

estimate	 how	 a	 species	 could	 remain	 undetected	 if	 it	 moves	 from	 an	 occupied	

patch	and	is	therefore	“unavailable”	for	detection	during	a	sampling	event.		

	

In	well-designed	iDNA	surveys,	taking	multiple	samples	from	within	a	site	during	a	

survey	 is	 analogous	 to	 spatial	 replication	 in	 a	 traditional	 survey,	 whereas	 PCRs	

from	 the	 same	DNA	extract	 can	 be	 considered	equivalent	 to	 temporal	 replicates.	

This	is	because	subsample	of	DNA	used	for	the	PCR	reaction	is	a	repeated	measure	

of	the	same	sample,	like	returning	to	the	same	site	on	a	different	survey	(Dorazio	&	

Erickson	2017b).	Thus	these	nested	levels	of	replication	can	be	incorporated	into	a	

multi-scale	 (‘hierarchical’)	 occupancy	 model	 (analogous	 to	 the	 approaches	 of	

Nichols	et	al.	2008	&	Mordecai	et	al.	2011).	Following	the	framework	described	in	

Hunter	et	al.	(2015),	the	three	nested	levels	of	a	multi-scale	model	for	iDNA	would	

then	correspond	to:		

	

1. iDNA	Occupancy	probability	=	the	probability	of	a	species’	DNA	occurring	at	
a	site	(ψ)		

2. iDNA	Availability	 probability	=	 the	 conditional	 probability	 that	 the	 target	
DNA	occurs	at	a	site,	given	that	the	species	is	presence	at	the	site	(θ)	

3. iDNA	 Detection	 probability	 =	 the	 conditional	 probability	 that	 DNA	 is	
detected	from	a	subsample	(PCR	replicate),	given	that	the	DNA	is	present	in	a	

sample	from	a	given	site	(p)	

		

The	first	example	where	these	models	were	applied	to	eDNA	sampling	found	that	

previous	 studies	 had	 underestimated	 the	 occurrence	 of	 the	 amphibian	 pathogen	

(Batrachochytrium	 dendrobatidis,	 Bd)	 from	 pond	 samples	 (Schmidt	 et	 al.	 2013).	

Multi-scale	occupancy	models	have	also	been	used	to	track	the	invasive	but	elusive	

Burmese	python	in	the	Florida	Everglades	using	eDNA	(Hunter	et	al.	2015).	Using	

occupancy	 models	 to	 understand	 imperfect	 detection	 in	 iDNA	 studies	 will	 be	

particularly	 beneficial	 in	 developing	 monitoring	 schemes	 using	 invertebrates	

(Schnell	et	al.	2015a).	This	is	especially	pertinent	in	study	regions,	such	as	Borneo,	
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where	 forest	degradation	and	 land-conversion	 is	wide-spread	(Sodhi	et	al.	2004)	

and	 the	 need	 to	 accurately	monitor	 species	without	 bias	 is	 crucial	 for	 directing	

policy	and	conservation	actions.		

In	 this	 chapter	 I	 use	 Bayesian	multiscale	 occupancy	models	 following	 the	 broad	

approach	of	(Hunter	et	al.	2015).	I	apply	multiscale	occupancy	models	to	detection	

histories	for	ten	mammals	generated	from	sequence	data,	from	two	years	of	iDNA	

sampling.	 To	 understand	 species	 responses	 to	 forest	 degradation,	 I	 model	 the	

three	parameters	(ψ,	θ	&	p)	as	 functions	of	covariates.	I	predict	that	estimates	of	

occupancy	 will	 change	 as	 species-habitat	 associations	 will	 be	 affected	 by	

vegetation	 structure	 and	 habitat	 quality.	 Additionally,	 due	 to	 continued	 logging	

across	 the	 landscape,	 occupancy	 probabilities	 could	 decrease	 between	 2015	 and	

2016	as	the	habitats	become	more	degraded	and	modified.	Previous	studies	have	

shown	that	while	logged	forests	can	support	mammal	diversity,	there	is	threshold	

by	which	the	landscape	becomes	too	degraded	(Burivalova	et	al.	2014;	Wearn	et	al.	

2017).	 Finally,	 I	 estimate	 the	minimum	amount	 of	 sampling	 and	PCR	 replication	

needed	 to	 confidently	 detect	 these	 species,	 which	 is	 an	 important	 financial	 and	

logistical	constraint	on	metabarcoding	studies.	 	
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4.3.	Materials	and	methods	

	

4.3.1.	Data	generation	

All	sequence	data	used	for	this	study	were	generated	and	described	previously	in	

Chapter	 3.	 To	 make	 the	 data	 suitable	 for	 analysis	 using	 multiscale	 hierarchical	

occupancy	models,	I	modified	the	steps	of	the	bioinformatics	pipeline.	Briefly,	for	

this	 chapter	 I	 used	 sequences	 from	 pools	 of	 tiger	 leeches	 Haemadipsa	 picta	

collected	at	the	SAFE	project,	Sabah,	in	the	dry	season	(February	–	June	2015)	and	

a	wet	season	(September	–	December	2016).	All	field	protocols	were	the	same	as	

the	 previous	 two	 chapters;	where	 individual	 leeches	were	 collected	 from	within	

the	boundaries	of	25m2	vegetation	plots	for	20	minutes	and	stored	in	RNA	later.	As	

detailed	 previously,	 at	 a	 larger	 scale	 vegetation	 plots	 are	 grouped	 into	 sites,	

consisting	 of	 8-16	 plots.	 I	 used	 leech	 pools	 from	 all	 four	 forest	 types	 sampled;	

primary,	twice-logged,	heavily	logged	and	riparian	forest.		

	

From	the	pooled	 leech	samples,	 I	amplified	and	sequenced	a	 fragment	of	 the	16s	

rRNA	 gene,	 which	 had	 been	 extracted	 using	 the	 modified	 protocol	 detailed	 in	

Chapter	3.	Pools	of	leeches	ranged	from	4-13	individuals,	with	an	average	of	9.53	

and	 median	 of	 10.	 Leeches	 within	 pools	 were	 always	 from	 the	 same	 site	 and	

identifiable	by	the	addition	of	unique	tags	to	the	5’	end	of	the	primers	during	PCR.	

Amplicon	 libraries	 were	 then	 combined	 into	 an	 equimolar	 sequencing	 pool,	 for	

150bp	paired-end	sequencing	on	an	Illumina	MiSeq	at	 the	Bart’s	and	the	London	

Genome	Centre,	Queen	Mary	University	London.		

	

4.3.2.	Bioinformatics		

Following	 the	 initial	 steps	 of	 the	 bioinformatics	 pipeline	 in	 Chapter	 2,	 raw	

demultiplex	reads	were	merged	in	AdapterRemoval	v2	(Schubert	et	al.	2016)	using	

the	 same	 parameters.	 I	 used	 the	 sort.py	 script	 in	 the	modified	 version	 of	 DAMe	

(https://github.com/shyamsg/DAMe,	 Zepeda-Mendoza	 et	 al.	 2016)	 to	 sort	 the	

merged	reads	into	the	original	samples.		

	

Sequence	reads	were	filtered	based	on	length	and	quality	(see	Chapter	2).	Unique	

sequences	were	then	retained	on	condition	that	they	were	present	in	at	least	one	
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of	 the	 three	 replicates	 in	 each	 sample	 (as	 opposed	 to	 two	 of	 three	 replicates,	 as	

applied	 in	 previous	 chapters)	 using	 the	 filter.py	 script	 in	 DAMe.	 This	 retained	

information	 on	 the	 presence	 of	 each	 sequence	 per	 PCR	 replicate	 was	 used	 in	

generating	 the	 detection	 histories	 needed	 to	 calculate	 occupancy	 (see	 below).	 I	

then	clustered	the	filtered	reads	at	97%	similarity	with	sumaclust	v1.3	(Mercier	et	

al.	2013)	and	removed	chimeras	with	mothur	(Schloss	et	al.	2009).	I	then	applied	

the	 LULU	 post-clustering	 algorithm	 (Frøslev	 et	 al.	 2017).	 The	 remaining	 OTUs	

were	then	assigned	to	taxa	following	the	steps	in	Chapter	3	(e.g.	using	BLAST	and	

MEGAN).	 The	 ten	 taxa	with	 the	most	 abundant	 detections	were	 selected	 (Table	

4.1),	of	which	six	which	could	be	identified	to	species	and	four	to	genus.	

	

Table	4.1.	Four-letter	codes	used	to	 identify	 the	mammal	taxa	 in	 the	occupancy	
models	

Code	 Scientific	name	 Common	name	

HEDE	 Hemigalus	derbyanus	 Banded	civet	

HYMU	 Hylobates	muelleri	 Bornean	gibbon	

HYSP	 Hystrix	sp	 Porcupine	

MASP	 Macaca	sp	 Macaque	

MUSP	 Muntiacus	sp		 Muntjac	

RUUN	 Rusa	unicolor		 Sambar	deer	

SUBA	 Sus	barbatus	 Bearded	pig	

TRFA	 Trichys	fasciculata	 Long-tailed	porcupine	

TRSP	 Tragulus	sp	 Mousedeer	

VITA	 Viverra	tangalunga	 Malay	civet	

	

From	the	files	generated	by	DAMe,	I	extracted	the	read	frequencies	corresponding	

to	the	OTUs	assigned	to	the	target	 taxa.	For	each	taxon,	 if	 its	corresponding	OTU	

sequence	 was	 found	 in	 a	 PCR	 replicate,	 this	 replicate	 was	 coded	 as	 1	 for	 a	

detection,	whereas	if	no	sequence	reads	were	 found	the	replicate	was	coded	as	0	

for	a	non-detection.	By	doing	this	 for	all	 three	PCR	replicates,	 for	each	OTU,	 this	

generated	the	detection	history	 for	each	species.	Additionally,	 I	applied	stringent	

filtering	 thresholds,	 first	 by	 removing	 any	 reads	 with	 only	 singletons	 or	

doubletons,	 then	 filtering	 out	 reads	 based	 on	 any	 contamination	 in	 the	 negative	
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controls.	 Finally,	 I	 removed	 the	 lowest	1%	of	 reads	 for	each	OTU	 (if	not	already	

removed	 during	 the	 previous	 steps).	 I	 applied	 this	 strict	 filtering	 to	 reduce	 any	

potential	erroneous	detections	introduced	by	accepting	all	three	PCRs,	as	opposed	

to	 the	 standard	minimum	 threshold	 of	 two	 out	 of	 three	 that	was	 applied	 in	my	

previous	studies	(see	Chapter	3).		

	

4.3.3.	Study	design	and	occupancy	model	assumptions	

For	multiscale-occupancy	 modelling,	 I	 used	 three	 nested	 levels	 of	 sampling	 and	

constructed	the	models	separately	for	each	season	

1. The	 13	 sites	 across	 the	 human-modified	 forest	 landscape,	 encompassing	

primary,	 twice-logged,	 heavily	 logged	 and	 riparian	 forest	 (as	 described	 in	

Chapter	3).		

2. The	spatially	replicated	leech	pools	collected	within	each	of	these	sites		

3. The	technical	replication	through	PCR	replicates,	where	DNA	is	subsampled	

from	the	pooled	leech	DNA	extracts	

	

I	generated	the	detection	histories	for	each	species,	for	each	PCR	replicate,	within	

each	 leech	 pool,	 from	 each	 site.	 For	 example,	 for	 a	 taxon	 at	 a	given	 site,	 if	 there	

were	 three	 pools	 of	 leeches,	 each	 of	 which	 was	 amplified	 in	 triplicate,	 a	

hypothetical	 detection	 history	 could	 be	 expressed	 as	 {101	 111	 100}	 based	 on	

conventional	 notation	 in	which	 PCR	 replicates	 are	 nested	within	 pools.	 Thus,	 in	

this	example,	 there	 is	a	detection	 in	the	 first	and	third	PCR	replicates	of	 the	 first	

pool,	detections	in	all	three	replicates	of	the	second	pool,	and	detection	in	only	the	

first	 replicate	 of	 the	 third	 pool.	 There	 are	 several	 potential	 reasons	 for	 the	

occurrence	of	a	non-detection:	(i)	the	target	species	is	not	present	at	the	site	(true	

absence),	 (ii)	 the	 target	 is	present,	but	 the	 leeches	have	not	 fed	on	 it,	 or	 (iii)	 the	

leeches	 have	 fed	 on	 it,	 but	 it	was	 not	 amplified	 during	 PCR.	 Both	 of	 these	 latter	

scenarios	are	examples	of	imperfect	detections.		

	

The	 classical	occupancy	 framework	makes	 several	 assumptions:	 (1)	 independent	

detections,	(2)	detection	and	occupancy	are	constant	in	space	(or	accounted	for	in	

the	covariates),	(3)	the	sites	do	not	change	occupancy	state	during	the	time	of	the	

survey	(i.e.	within	a	closed	season)	and	(4)	there	are	no	false	positives	(Bailey	et	al.	
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2007).	For	this	study	I	am	considering	each	leech	pool	as	an	independent	detection	

event;	that	is,	the	detection	of	a	mammal	in	one	pool	does	not	have	any	influence	

on	the	probability	 that	 it	 is	detected	 in	another	pool.	Covariates	are	added	to	the	

model	to	account	for	any	variation	in	habitat	preferences	or	sampling	that	would	

change	the	occupancy	and	detectability	of	 the	 species.	Also,	 I	am	considering	the	

detections	to	be	within	a	closed	season,	because	the	field	sampling	was	conducted	

over	3-4	months,	and	it	is	likely	that	only	the	last	blood	meal	is	being	detected	for	

each	leech.	Finally,	I	am	assuming	that	there	are	no	false	positives	as	a	result	of	the	

strict	 filtering	 and	 only	 accepting	 confident	 taxonomic	 assignments	 (>	 90%	

similarity).	 However,	 there	 are	 some	 caveats	 to	 these	 assumptions	 (see	

Discussion).		

	

4.3.4.	Occupancy	models	

I	 used	 the	 single	 species	 multi-scale	 occupancy	 models	 described	 in	 Dorazio	 &	

Erickson	(2017c)	and	Hunter	et	al.	(2015),	generating	separate	models	for	the	dry	

and	 wet	 season	 data.	 This	 model	 comprises	 three	 levels	 of	 Bernoulli	 trials	 to	

describe	 the	 processes	 leading	 to	 a	 DNA	 detection.	 My	 data	 for	 each	 taxon	 is	

binary,	taking	the	form	of	detection	or	non-detection,	at	the	ith	site	(i	=	1-13,	field	

sites	at	SAFE),	for	the	 jth	leech	pool	(j	=	1	up	to	23	samples	taken	from	a	site),	in	

the	 kth	 PCR	 replicate	 (k	 =	 1-3,	 triplicate	 PCR	 reactions).	 The	 levels	 of	 the	

hierarchical	model	are	therefore:	

	

1) Occupancy	 -	 the	 probability	 the	 DNA	 from	 the	 target	 taxon	 is	 occupying	 site	 i	

where	terrestrial	leeches	are	present.	The	variable	Z	describes	the	presence	(Z	=	

1)	or	absence	(Z	=	0)	of	the	target	DNA	at	site	i.	This	is	modelled	as	a	function	of	

the	occupancy	parameter	at	the	site	ψi	

Zi	~	Bernoulli	(ψi)	

	

2) Availability	 -	 the	probability	 that	 the	 leeches	collected	 for	 this	study	had	 fed	on	

the	blood	 of	 the	 target	 taxon	given	 that	 it	was	 present	was	present	at	 the	 site.	

This	 is	 the	probability	 that	 the	DNA	was	available	 to	be	 sequenced.	Here	 the	

availability	parameter	 θij	 is	 conditional	on	 the	value	of	 zi.	A	 is	 the	probability	

the	target	DNA	occurs	in	the	sample	j,	given	the	species	was	present	(z	=	1)	at	
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site	i.	If	the	site	is	unoccupied	i.e.	zi	=	0,	Aij	has	to	equal	zero	meaning	the	target	

mammal	 had	 not	 been	 present	 at	 the	 site,	 and	 the	 DNA	 is	 not	 available	 for	

detection.	This	restricts	the	inclusion	of	false	positives.	

Aij|zi	~	Bernoulli	(ziθij)	

	

3) Detection	 -	 The	 probability	 that	 the	 DNA	 of	 the	 taxon	 is	 detected	 during	 PCR	

given	that	 the	DNA	was	present	 in	 the	 leech	pool.	The	final	 equation	describes	

the	probability	that	DNA	will	be	detected	in	a	PCR	replicate	Yijk	(detection	=	1,	

non-detection	=	0)	conditional	on	the	occurrence	of	 the	DNA	within	the	leech	

sample	aij	 (the	 realised	 value	of	Aij).	pijk	 is	 the	 detection	 probability,	which	 is	

conditional	 on	 DNA	 being	 amplified	 in	 the	 kth	 PCR	 replicate	 of	 the	 jth	 leech	

pool,	 collected	 at	 the	 ith	 site.	 Again,	 this	 equation	 does	 not	 allow	 for	 false	

positives	as	Yijk	will	equal	to	zero	if	there	is	no	DNA	in	the	jth	leech	sample	from	

the	ith	site.	

Yijk|aij	~	Bernoulli	(aijpijk)	

	

For	 each	 level	 of	 the	model,	 specific	 covariates	 can	 be	 added	 depending	 on	 how	

they	are	assumed	a	priori	to	affect	the	target	mammal’s	occupancy	at	the	site	(ψ),	

the	availability	of	the	DNA	in	the	sample	(θ)	or	the	detection	of	DNA	in	the	PCR	(p)	

as	the	parameters	β,	α	and	δ,	respectively.		

	

I	fitted	eight	models	for	each	species	including	a	different	site,	sample	or	replicate	

covariate	using	the	logit	link	function,	for	Bernoulli	distributions.	Models	were	run	

using	the	eDNAoccupancy	package	(Dorazio	&	Erickson	2017b)	in	R	(R	Core	Team	

2018),	which	uses	Bayesian	inference	to	estimate	the	parameters	of	ψ,	θ	and	p,	and	

assumes	uniform	prior	distributions	(for	more	details	on	the	MCMC	algorithm	see	

the	 supporting	 information	 for	 the	R	 package,	 (Dorazio	&	Erickson	 2017a).	 I	 set	

the	MCMC	chain	up	to	run	for	a	 total	of	80,000	 iterations	but	updating	the	chain	

four	times	with	20,000	iterations,	using	the	updateOccModel	function.	I	used	trace	

plots	to	assess	model	convergence	and	I	compared	goodness-of-fit	for	each	of	the	

models	using	two	commonly	applied	criteria	for	Bayesian	models:	Watanabe’s	AIC	

(WAIC,	 Watanabe	 2010),	 and	 posterior-predictive	 loss	 (PPLC,	 Gelfand	 &	 Ghosh	

1998).	For	nested	models,	a	lower	value	of	these	models	indicates	a	better	fit.	
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4.3.5.	Covariate	selection	and	model	construction	

Initially,	 I	 selected	 four	 site-level	 covariates	 (β)	 which	 represented	 the	

heterogeneity	 across	 the	 SAFE	 project	 and	 which	 would	 reflect	 differences	 in	

habitat	 use	 by	 mammals.	 These	 covariates	 were	 canopy	 height,	 aboveground	

biomass,	habitat	heterogeneity	and	forest	cover,	and	were	calculated	from	a	Leica	

ALS50-II	LiDAR	sensor	flown	by	NERC's	Airborne	Research	Facility	which	covered	

the	SAFE	 landscape	 in	2014	(unpublished	data,	T.	Swinfield	and	D.	Coombes).	As	

with	the	previous	chapter,	these	covariates	were	extracted	at	the	block	level	(with	

a	 1	 km	buffer	 around	 the	 centroid)	which	was	 deemed	more	 appropriate	 to	 the	

home-ranges	 of	 the	 mammal	 species	 than	 the	 25	 m2	 vegetation	 plot.	 However,	

when	 I	 tested	 these	metrics	 for	 collinearity,	 I	 found	 that	all	 four	 covariates	were	

highly	 correlated	 (Table	 S4.1).	 Therefore,	 I	 decided	 to	 proceed	 using	 the	 habitat	

heterogeneity	 covariate	 in	 order	 to	 capture	 the	 variability	 across	 the	 human-

modified	 landscape.	Habitat	heterogeneity	 (measured	using	Moran’s	 I)	 is	 a	value	

which	ranges	 from	-1	 to	1	and	 represents	a	gradient	of	 forest	 canopy	clustering.	

Values	approaching	1	indicate	greater	clustering	of	the	canopy	and	thus	represent	

strong	 contrasts	 in	 habitat	 availability	 such	 as	 gaps	 or	 very	 large	 trees	within	 a	

matrix	 of	 intermediate	 canopy	 heights,	 while	 a	 value	 of	 0	 represents	 perfectly	

random	canopy	dispersion.	

	

As	a	sample-level	covariate	(α),	I	used	the	number	of	pools	per	site,	as	an	indicator	

of	 sampling	 effort.	 This	 covariate	 is	 likely	 to	 affect	 the	 probability	 of	DNA	being	

detected	 in	 a	 sample	 of	 leeches	 (θ).	 Finally,	 I	 also	 used	 two	 replicate	 level	

covariates	 (δ)	 which	 will	 affect	 the	 detection	 parameter,	 p.	 First,	 I	 used	 the	

concentration	 of	 the	 DNA	 extract	 for	 each	 pool,	 as	 measured	 by	 the	 Nanodrop	

(Thermo-Scientific)	 for	 the	 2015	 samples	 and	 Qubit	 (Invitrogen)	 for	 the	 2016	

samples.	 DNA	 concentration	 can	 affect	 the	 amplification	 success	 of	 the	 PCR	

reaction	and	thus	the	detectability	by	either	causing	inhibition,	if	there	is	too	much	

DNA	 in	 the	 sample,	 or	 by	 increasing	 the	 stochasticity	 of	 amplifying	 the	 target	

species	DNA	from	a	mixed	sample	if	there	is	too	little	DNA.	I	also	used	the	summed	

relative	 weight	 of	 the	 leech	 individuals	 in	 the	 pool.	 I	 could	 only	 weigh	 the	

individuals	after	they	had	been	stored	in	RNA	later	and	as	such	this	is	not	the	true	
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weight.	 I	 included	 this	 covariate	 to	 test	whether	 there	was	an	effect	of	 the	 large	

individual	interspecific	size	difference	(ranging	from	0.01	g	to	2	g).		

	

For	each	of	the	ten	mammals	(Table	4.1)	and	for	each	of	the	two	years	of	sampling	

(2015	 and	 2016),	 I	 constructed	 five	 models.	 These	 comprised	 four	 univariate	

models,	 each	 including	 one	 covariate,	 and	 the	 null	 model	 that	 contained	 no	

covariates.	 I	 was	 not	 able	 to	 investigate	 the	 effect	 of	 interactions	 between	

covariates	 because	 the	 dataset	 was	 not	 large	 enough.	 Indeed,	 model	 testing	

showed	 that	MCMC	 chains	 did	 not	 converge	 for	more	 complex	models,	 and	 thus	

these	results	would	be	prone	to	error	in	their	parameter	estimates.	Details	of	the	

model	structure	can	be	found	in	Table	4.2.	

	

Table	 4.2.	 The	 five	 multiscale	 occupancy	 models	 fitted	 to	 the	 detection	 histories	
each	species	repeated	for	2015	and	2016.	Site-	(ψ),	sample	(θ)	-	and	replicate-level	

(p)	covariates	are	in	brackets	and	(	.	)	indicates	no	covariate	

Model	 Covariate	structure	 Description	

Model	1	 ψ	(	.	)	θ	(	.	)	p	(	.	)	 No	covariates	

Model	2	 ψ	(heterogeneity)	θ	(	.	)	p	(	.	)	 Habitat	heterogeneity		

Model	3	 ψ	(	.	)	θ	(pools	)	p	(	.	)	 Survey	effort	

Model	4	 ψ	(	.	)	θ	(	.	)	p	(conc)	 iDNA	concentration	

Model	5	 ψ	(	.	)	θ	(	.	)	p	(weight)	 Leech	pool	total	weight		

	

4.3.6.	Cumulative	probabilities		

Finally,	to	test	the	effects	of	sampling	and	PCR	replication	on	the	probability	that	

the	DNA	is	 in	 the	sample	given	the	target	was	at	 the	site	(availability,	θ)	and	the	

probability	of	detection	of	the	DNA	given	it	was	in	the	sample	(detectability,	p),	I	

calculated	 the	 cumulative	 probability	 scores	 for	 these	 parameters.	 This	 is	 an	

important	 consideration	 for	 molecular	 sampling	 as	 increasing	 the	 number	 of	

samples	and	PCR	replicates	 to	be	sequenced	will	 increases	costs.	Any	 increase	 in	

cost	 needs	 to	 be	 traded	 off	 against	 the	 increasing	 probability	 of	 detection	 with	

greater	sample	size,	and	the	benefits	of	increased	confidence	in	the	detections	by	

confirming	 a	 detection	 in	 multiple	 PCR	 reactions.	 This	 is	 of	 particular	 concern	

when	 designing	 molecular	 surveys	 for	 conservation	 monitoring	 schemes	 where	
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confidence	 in	 the	 presence	 of	 a	 rare	 target	 species	 is	 crucial.	 As	 in	Hunter	 et	 al.	

(2015),	I	calculated	the	cumulative	availability	probability	as:	

1	-	(1	-	θ)	k	

And	the	cumulative	detection	probability	as:	

1	-	(1	-	p)	k	

Where	 θ	 is	 the	 availability	 parameter,	 p	 is	 the	 detection	 probability	 and	 k	

described	 the	 number	 of	 leech	 samples	 or	 PCR	 replicates.	 I	 calculated	 this	

parameter	for	k	=	1	up	to	k	=	20.	In	both	cases,	θ	and	p,	the	starting	value	for	k	=	1	

was	 derived	 from	 the	 mean	 posterior	 probability	 taken	 from	 model	 1	 (which	

included	no	covariates).	 	
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4.4.	Results	

	

4.4.1.	Detection	histories	

To	 generate	 the	 detection	 history	 for	 each	 taxon,	 in	 each	 of	 the	 three	 PCR	

replicates,	 I	 set	 the	 lowest	 minimum	 PCR	 threshold	 to	 one,	 which	 retains	 all	

sequences	passing	quality	filtering.	Initially	this	resulted	in	485	OTUs,	of	which	45	

(9%)	 were	 identified	 as	 chimeric	 sequences	 and	 so	 were	 removed.	 Of	 the	

remaining	 440	 OTUs,	 only	 40	 (9%)	 were	 identified	 as	 true	 sequences	 by	 LULU	

(post-clustering	filtering)	and	retained	for	further	analysis.	The	ten	taxa	that	were	

selected	 were	 those	 species	 with	 the	 highest	 number	 of	 detections	 (Table	 4.1).	

However,	 after	 the	 strict	 filtering	of	 the	 read	 frequencies,	 the	number	of	 times	a	

species	was	detected	in	a	minimum	of	one	of	the	PCR	replicates	(per	pool)	ranged	

from	3	to	66:	Sus	barbatus	=	66,	Muntiacus	sp	=	33,	Hylobates	muelleri	=	25,	Rusa	

unicolor	=	22,	Hystrix	sp	=	14,	Tragulus	sp	=	12,	Hemigalus	derbyanus	=	9,	Viverra	

tangalunga	 =	 9,	 Macaca	 sp	 =	 8,	 and	 Trichys	 fasciculata	 =	 3.	 Although	 initially	

seeming	 to	have	enough	detections,	 after	 read	 frequency	 filtering	 the	 long-tailed	

porcupine,	Trichys	fasciculata,	was	removed	from	further	analysis,	as	the	number	

of	detections	was	too	low	to	allow	accurate	parameter	estimations	(MacKenzie	et	

al.	2002).	

	

4.4.2.	Model	selection		

The	 MCMC	 traces	 for	 each	 model	 showed	 chain	 convergence	 for	 all	 but	 two	

models,	using	80,000	iterations.	The	two	non-converging	models	corresponded	to	

the	 mousedeer	 models	 for	 2016	 which	 included	 the	 replicate	 level	 covariates	

(models	 seven	 and	 eight	 for	mousedeer)	 and	 these	models	were	 removed	 from	

further	analysis.		

	

I	 compared	 the	 five	 models	 constructed	 for	 each	 taxon	 (within	 each	 year)	 and	

found	that	these	showed	little	difference	in	fit,	based	on	two	separate	goodness-of-

fit	criteria	(WAIC	and	PPL)	(Supplementary	Table	S4.2).	Two	exceptions	were	the	

models	 for	Bornean	gibbon	and	macaque,	where	the	replicate-level	models	(DNA	

concentration	and	leech	weight	covariates)	in	2016	showed	lower	criterion	values.	

Thus,	indicating	that	these	covariates	are	having	a	greater	effect	on	the	detection	
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of	 these	 species	 compared	 to	 those	 at	 the	 levels	 of	 site	 and	 sample.	 For	 the	

remaining	species,	 there	appeared	to	be	no	difference	 in	 the	relative	 impact	 that	

each	of	the	covariates	had	on	the	respective	parameters.	Using	the	median	values	

estimated	 from	 the	 posterior	 distribution,	 I	 was	 able	 to	 identify	 taxa-specific	

trends	 in	 their	 responses	 to	 the	 five	 covariates	 in	 both	 years	 and	 plot	 the	mean	

trend	 line.	 Due	 to	 the	 low	 number	 of	 overall	 detections	 for	 each	 species,	 the	

resulting	Bayesian	posterior	credible	intervals	(CI)	were	large,	and	thus	for	clarity	

and	to	show	general	trends,	the	CI’s	are	not	included	in	the	main	Figures.	However,	

I	 present	 individual	 taxa	 responses	 in	Supplementary	 Figure	 S4.1	 and	 individual	

responses	split	by	season	in	Supplementary	Figure	S4.1.	

	

4.4.3	iDNA	responses	to	covariates	

For	each	of	 the	nine	 taxa	 (not	 including	 long	 tailed	porcupine),	 I	 tested	how	 the	

site-occupancy,	 sample-availability	 and	 PCR	 detection	 probability	 of	 the	 target	

species	 iDNA	 varied	 with	 the	 habitat	 quality,	 sampling	 effort	 and	 technical	

replication	(variables	β,	α,	δ).		

	

Site	effects	on	DNA	occupancy		

I	found	that	the	iDNA	occupancy	probability	varied	among	taxa,	seasons	and	across	

a	range	of	canopy	heterogeneity	values.	 In	general,	during	the	dry	season	(2015)	

values	 of	 ψ	 decreased	 with	 increasing	 levels	 of	 habitat	 heterogeneity.	 This	

indicates	 that	 probability	 of	 species	 occupancy	 declines	 as	 the	 habitat	 becomes	

more	clustered,	with	 increased	gaps	 in	 the	canopy	(Figure	4.1).	The	species	with	

the	highest	probability	of	occupancy	and	the	smallest	change	in	occupancy	across	

the	range	of	habitats	in	2015	was	bearded	pig	and	muntjac.	I	found	that	the	species	

with	the	 lowest	probability	of	occupancy	was	banded	civet,	and	both	the	banded	

civet	and	sambar	deer	showed	the	largest	decrease	in	occupancy	across	the	range.	

Only	 the	 Malay	 civet	 shows	 the	 opposite	 trend,	 where	 the	 probability	 of	 site	

occupancy	has	a	positive	relationship	with	habitat	heterogeneity.	On	the	contrary,	

estimates	of	occupancy	from	the	wet	season	(2016)	did	not	reveal	similar	trends,	

and	 there	 was	 no	 clear	 relationship	 between	 habitat	 heterogeneity	 across	 the	

gradient	and	iDNA	occupancy	probability	(Figure	4.1).	

	 	



	

	

122	

	

	

	

	

	 	

Figure	 4.1.	 Changes	 in	 probability	 of	 site-occupancy	 (ψ)	 for	 each	 taxon	 in	
response	 to	 changes	 in	 habitat	 heterogeneity.	 Increases	 in	 heterogeneity	

represent	increases	in	gaps	and	clustering	of	the	canopy	at	that	site.	Each	taxa’s	

response	 is	 shown	 in	 a	 different	 colour.	 The	 responses	 for	 the	 dry	 season	

(2015)	are	in	the	top	panel	and	for	the	wet	season	(2016)	in	the	bottom	panel.	

The	 four-letter	 code	 is	used	 for	each	 taxon,	 for	 full	 taxonomic	names	 refer	 to	

Table	4.1.	The	black	line	shows	the	mean	occupancy	probability	(ψ),	across	all	

taxa	with	the	shaded	area	showing	the	95%	confidence	interval.	
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Sampling	effects	on	DNA	availability	

Examination	of	the	effects	of	with	sampling	effort	(i.e.	number	of	pools	sequenced)	

revealed	 no	 strong	 average	 response	 among	 all	 species	 looked	 at	 (Figure	 4.2).	

During	 the	 dry	 season	of	 2015,	 increasing	 the	 sampling	 effort	was	 related	 to	 an	

increase	 in	 the	 probability	 of	 iDNA	 availability	 for	 some	 taxa	 (muntjac,	 gibbon,	

mousedeer	 and	macaque),	 and	 a	 decrease	 in	 probability	 for	 other	 taxa	 (banded	

civet,	porcupine	and	sambar	deer).	The	availability	of	bearded	pig	and	Malay	civet	

DNA	was	relatively	consistent	with	varying	amounts	of	leech	pools,	at	~80%	and	

~50%	respectively,	from	0	–	20	pools.	Considering	the	wet	season	of	2016,	there	

was	 less	 taxon-level	 variation	 in	 responses,	 and	 the	 probability	 of	 the	 DNA	

occurring	in	the	leech	samples	remained	low	(<	50%)	and	most	species	showed	no	

(or	very	 little)	 effect	of	 increasing	 the	number	of	pools.	Bearded	pig	and	banded	

civet	DNA	showed	small	 increases	and	macaque	DNA	showed	small	decreases	 in	

availability	in	availability	probability	with	increasing	sampling	effort	(i.e.	number	

of	pools).	
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Figure	4.2.	Changes	in	iDNA	sample-availability	probability	(θ)	for	each	taxon	
in	 response	 to	 changes	 in	 sampling	 effort,	 i.e.	 the	 number	 of	 leech	 pools	

sequenced.	Each	taxa’s	response	is	shown	in	a	different	colour.	The	responses	

for	the	dry	season	(2015)	are	in	the	top	panel	and	for	the	wet	season	(2016)	in	

the	bottom	panel.	The	four-letter	code	is	used	for	each	taxon,	for	full	taxonomic	

names	refer	to	Table	4.1.	The	black	line	shows	the	mean	availability	probability	

(θ)	across	all	taxa,	with	the	shaded	area	showing	the	95%	confidence	interval.	
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Replicate	covariate	effect	on	detection	probability	

In	both	years,	the	total	weight	of	the	leech	pool	had	no	effect	on	the	detectability	of	

DNA	 in	 the	 PCR	 replicate,	 with	 values	 of	 p	 remaining	 consistent	 within	 species	

(Figure	4.3).	 In	2015,	probabilities	ranged	downwards	 from	0.8,	 for	muntjac	and	

bearded	 pig,	 to	 0.3	 for	 Hystrix	 porcupine	 and	macaque.	 In	 2016,	 the	 range	was	

between	0.6	for	bearded	pig	and	<0.1	for	Malay	civet.		

	

Considering	 the	 effect	 of	 DNA	 concentration,	 in	 2015,	 I	 found	 that	 sambar	 deer	

showed	 the	 greatest	 positive	 response,	 with	 the	 steepest	 increase	 in	 detection	

probability,	rising	from	<0.2	up	to	0.5	(Figure	4.3).	Four	taxa,	banded	civet,	gibbon,	

bearded	 pig,	 and	muntjac,	 showed	 small	 decreases	 in	 detection	 probability	with	

increasing	 DNA	 concentration.	 In	 2016,	 the	 probability	 of	 detecting	 DNA	 from	

macaque,	Hystrix	porcupine,	sambar	deer,	bearded	pig	and	gibbon	increased	with	

DNA	 concentration,	 and	 for	macaques	 there	was	 a	 considerable	 increase,	 from	 a	

detection	probability	of	zero	to	90%	of	replicates	as	DNA	concentration	increases	

two-fold.	DNA	concentration	had	no	effect	on	the	detectability	of	banded	civet	or	

muntjac	 DNA	 in	 the	 PCR	 replicates	 and	 the	 probability	 of	 detecting	Malay	 civet	

DNA	in	the	PCR	replicate	decreases	as	total	DNA	concentration	increases.	

1
2
0
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Figure	 4.3.	 Changes	 in	
detection	 probability	 (p)	 for	
each	 taxon	 in	 response	 to	
changes	 in	 two	 replicate	
covariates	 –	 left	 =	 DNA	
concentration	 of	 the	 pooled	
extract,	 this	 is	 measured	
using	 the	 Nanodrop	 for	 the	
dry	 season	 samples	 in	 2015	
and	 the	 Qubit	 for	 the	 wet	
season	samples	in	2016.	Right	
=	total	relative	weights	of	the	
individuals	 pooled	 together	
for	 the	 DNA	 extraction.	 Each	
taxa’s	response	 is	shown	in	a	
different	 colour.	 The	
responses	 for	 the	 dry	 season	
(2015)	 are	 in	 the	 top	 panel	
and	for	the	wet	season	(2016)	
in	the	bottom	panel.	The	four-
letter	 code	 is	 used	 for	 each	
taxon,	 for	 full	 taxonomic	
names	refer	to	Table	4.1.	The	
black	 line	 shows	 the	 mean	
detection	 probability	 (p)	
across	 all	 taxa,	 with	 the	
shaded	area	showing	the	95%	
confidence	interval.	
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4.4.4.	How	much	replication	is	needed?	

For	leech	pools,	my	findings	from	2015	show	that	for	each	taxon,	and	for	all	taxa	

combined,	 I	 would	 have	 needed	 around	 five	 pools	 per	 site	 to	 achieve	 an	 80%	

probability	of	 the	DNA	being	available	 in	 the	pool	 given	 that	 the	 site	 is	occupied	

(i.e.	ψ	=	1)	(Figure	4.4).	All	taxa	follow	the	same	trend,	with	cumulative	availability	

rising	to	1.0	in	<10	samples.	In	contrast,	in	2016,	the	probability	of	availability	was	

much	lower	and	more	species-specific,	so	to	reach	a	50%	and	80%	probability	of	

occurrence,	 I	 would	 have	 needed	 five	 pools	 and	 ten	 pools	 respectively	 per	 site,	

reaching	100%	at	over	20	samples.	For	Malay	civet,	this	curve	showed	no	evidence	

of	reaching	a	plateau	even	at	20	leech	pools.		

	 	

Figure	 4.4.	 The	 effect	 of	 increasing	 the	 number	 of	 leech	 pools	 sequenced	 on	 the	
cumulative	availability	probability	(θ)	for	mammal	iDNA	in	the	leech	pools.	The	response	
in	the	dry	season	(2015)	is	shown	on	the	left	and	the	response	in	the	wet	season	(2016)	is	
shown	on	the	right.	Each	taxon	 is	represented	by	a	different	colour	and	 its	unique	 four-
letter	 code	 (full	 taxonomic	 names	 in	 Table	 4.1).	 The	 mean	 response	 across	 all	 taxa	 is	
shown	 in	black	with	95%	confidence	 interval.	The	 two	dashed	 lines	represent	 the	50%	
and	80%	probability.		
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In	contrast	to	availability	based	on	pools,	the	change	in	detection	probability	based	

on	PCR	replicates	showed	the	opposite	pattern	between	years	(Figure	4.5).	Given	

that	the	DNA	was	in	the	sample	(i.e.	θ	=	1),	for	2015,	I	would	have	needed	at	least	

six	 PCR	 replicates	 to	 reach	 an	 average	 detection	 probability	 of	 50%.	 This	 rises	

steeply	to	14	PCR	replicates	required	to	achieve	an	average	80%	detectability,	and	

>20	 replicates	 required	 for	 100%	 detectability.	 For	 2016,	 however,	 the	 average	

detection	 probability	was	much	 higher,	with	 four	 PCR	 replicates	 required	 for	 an	

average	of	50%	detectability.	I	found	that	around	eight	replicates	were	needed	to	

reach	an	average	detection	probability	of	100%,	and	17	replicates	were	needed	to	

ensure	100%	detection	probability	of	every	species.	

	 	

Figure	 4.5.	 The	 effect	 of	 increasing	 the	 number	 of	 PCR	 replicates	 on	 the	 cumulative	
detection	 probability	 (p)	 for	mammal	 iDNA	 in	 the	 leech	pools.	 The	 response	 in	 the	dry	
season	(2015)	is	shown	on	the	left	and	the	response	in	the	wet	season	(2016)	is	shown	on	
the	right.	Each	taxon	is	represented	by	a	different	colour	and	its	unique	four-letter	code	
(full	taxonomic	names	in	Table	4.1).	The	mean	response	across	all	taxa	is	shown	in	black	
with	 95%	 confidence	 interval.	 The	 two	 dashed	 lines	 represent	 the	 50%	 and	 80%	
probability.		
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4.5.	Discussion	

	

In	this	study	I	applied	an	occupancy	modelling	statistical	framework	to	molecular	

detection	data	for	mammals	that	were	derived	from	the	sequencing	of	leech	blood-

meals	 from	 Borneo.	 By	 using	 a	 multiscale	 extension	 of	 the	 model,	 I	 have	

demonstrated	that	 it	 is	possible	 to	 incorporate	 imperfect	detection	at	 two-levels;	

first,	using	the	availability	parameter	θ	to	estimate	the	probability	that	the	DNA	is	

available	 for	 sequencing	 (i.e.	 it	 is	 in	 the	 leech	sample),	 and	second,	 the	detection	

parameter	p	to	estimate	the	probability	DNA	detected	in	a	PCR	replicate.	I	was	also	

able	 to	 include	 covariates	 to	model	how	 these	 probabilities	 change	with	 varying	

habitat	quality,	sampling	effort	and	molecular	factors.	To	my	knowledge,	this	is	the	

first	 time	 that	 iDNA	 data	 has	 been	 analysed	 using	multiscale	 occupancy	models	

and	the	results	provide	a	deeper	insight	into	the	impacts	of	habitat	degradation	in	

a	 human-modified	 landscape	 using	 a	 relatively	 novel	 molecular	 sampling	

technique.	

	

4.5.1.	Habitat	effects	and	occupancy		

Using	 an	 occupancy	 modelling	 approach,	 my	 results	 provide	 evidence	 that	 the	

occurrence	of	mammal	DNA	is	related	to	habitat	quality,	even	after	accounting	for	

imperfect	 detections.	 Specifically,	 habitat	 quality	 had	 a	 greater	 impact	 on	

occupancy	probability	during	the	dry	season	(2015)	than	in	the	wet	season	(2016).	

In	 general,	 decreasing	 habitat	 quality	 (i.e.	 increasing	 clustering)	 was	 related	 to	

decreased	probability	of	occupancy.	As	well	as	supporting	my	original	prediction,	

which	is	similar	to	the	findings	of	Deere	et	al.	(2017)	based	on	camera	traps,	who	

recorded	 increased	 community	 occupancy	 probabilities	 in	 higher	 quality	 logged	

forest.	 My	 results	 showed	 a	 strong	 impact	 of	 season	 on	 the	 species-specific	

patterns	of	occupancy	with	only	Malay	civet	showing	a	different	trend.	It	is	unclear	

why	 the	 two	 years	 of	 sampling	gave	 different	 results.	 One	 possibility	 is	 that	 the	

environment	was	more	stable	during	the	wet	 season	 in	2016	compared	to	2015.	

The	dry	season	in	2015	was	characterised	by	a	long	drought	period,	coupled	with	

large	 amounts	 of	 timber	 extraction	 across	 the	 field	 site.	 During	 periods	 of	

increased	disturbance	higher	quality	habitats	(such	as	the	managed	forest	at	SAFE)	

might	provide	refugia	for	species,	and	thus	increase	the	probability	that	their	DNA	
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occurs	at	 these	sites.	The	response	shown	by	Malay	civet	 iDNA	in	the	dry	season	

(2015)	 could	 reflect	 this	 species’	 relatively	high	 tolerance	 to	disturbance,	 as	 it	 is	

widespread	 across	 primary	 and	 secondary	 forests.	 Although	 there	 is	 some	

evidence	that	it	is	negatively	affected	by	logging	and	forest	degradation	(Brodie	et	

al.	2014a).	

	

4.5.2.	Sample	effects	and	availability		

I	found	no	consistent	strong	effect	of	sampling	effort	on	the	average	probability	of	

availability	over	the	two	seasons	of	sampling.	There	appears	to	be	a	positive	effect	

of	sampling	in	the	dry	season	and	no	effect	in	 the	wet	season.	This	is	likely	to	be	

related	 to	 the	 movement	 patterns	 of	 mammals	 during	 the	 dry	 season.	 When	

mammalian	prey	are	rare,	leeches	may	have	a	large	inter-feeding	interval;	this	will	

allow	 for	 more	 degradation	 in	 the	 blood	meal,	 and	 thus	 increase	 the	 impact	 of	

sampling	effort	on	iDNA	availability	probability.	We	know	that	this	window	should	

have	 an	 effect	 on	 iDNA	 but	 very	 little	 is	 known	 about	 the	 feeding	 behaviour	 of	

these	leeches	(see	Schnell	et	al.	2015	&	Drinkwater	et	al.	2018).		

	

4.5.3.	PCR	effects	and	detectability		

DNA	 detection	 probability	 was	 not	 found	 to	 be	 affected	 by	 the	 total	 weight	 of	

leeches	 in	 the	pool	 in	either	 season	 (2015	or	2016).	This	 is	perhaps	unfortunate	

because,	had	an	effect	been	found,	it	would	suggest	that	increasing	the	biomass	of	

leeches	 in	 the	pool	would	be	an	easy	way	 for	 practitioners	 to	enhance	detection	

rates.	 These	 results	 also	 run	 counter	 to	 earlier	 findings	 suggesting	 that	 longer	

leeches	 may	 increase	 detections,	 although	 these	 were	 not	 based	 on	 occupancy	

modelling	(Weiskopf	et	al.	2017).	These	 findings	 from	Weiskopf	et	al.	 (2017)	are	

based	on	different	 leech	species	and	another	 source	of	 the	discrepancy	might	be	

the	method	of	measuring	biomass.	 In	my	case,	biomass	 could	only	be	quantified	

after	the	leeches	had	been	preserved	in	the	field,	and	thus	it	is	possible	that	leeches	

had	become	heavier	through	the	absorption	of	the	preservation	reagent.	

	

When	 considering	 the	 impact	 of	 DNA	 concentration	 of	 the	 pooled	 extract,	 my	

results	 suggest	 that	 concentration	 is	 positively	 associated	 with	 probability	 of	

detection.	This	effect	was	 stronger	 for	 samples	 from	the	wet	season	 (2016)	 than	
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for	the	dry	season	(2015).	However,	the	two	seasons	cannot	be	strictly	compared	

resulting	from	the	differences	in	the	sensitivity	of	the	two	different	platforms	that	

were	used	to	quantify	DNA	(Qubit	and	Nanodrop,	respectively)	in	these	two	years.	

This	overall	positive	effect	of	DNA	concentration	was	unexpected	given	that	high	

concentrations	are	regularly	thought	to	reduce	PCR	efficiency	due	to	the	presence	

of	inhibitors.	On	the	other	hand,	low	starting	concentrations	of	DNA	are	known	to	

cause	PCR	stochasticity,	which	may	be	alleviated	by	 increasing	the	concentration	

(Alberdi	 et	 al.	 2017).	 My	 findings	 thus	 highlight	 the	 importance	 of	 using	 and	

developing	 protocols	 to	 increase	 the	 yield	 of	 degraded	 DNA,	 such	 as	 those	

developed	 for	 ancient	 DNA	 (Schnell	 et	 al.	 2015a).	 In	 practice,	 concentration	

thresholds	could	be	set	before	sequencing	to	save	time	and	financial	resources.		

	

4.5.4.	How	much	replication	is	needed?		

By	 calculating	 the	 cumulative	 availability	 probability,	 I	 was	 able	 to	 estimate	 the	

number	of	leech	samples	needed	to	achieve	different	chances	of	detection.	For	the	

samples,	 in	both	years,	 I	 estimated	 that	 five	 to	 ten	 leech	pools	per	 site	would	be	

required	to	achieve	between	50%	to	80%	probability	of	availability.	This	number	

would	be	reasonable	in	practice	and	calculating	these	values	prior	to	a	study	could	

help	 to	 optimise	 field	 sampling	 and	 reduce	 problems	 of	 overharvesting.	 On	 the	

other	 hand,	 these	 values	 are	 averages	 and,	 for	 some	 species	 (e.g.	 Malay	 civet),	

many	more	than	20	samples	appear	to	be	needed	to	reach	the	same	high	levels	of	

confidence.	 In	 metabarcoding	 studies,	 it	 is	 typical	 to	 conduct	 replication	 in	

triplicate	 without	 much	 consideration	 given	 to	 the	 impacts	 of	 this	 parameter	

choice.	However,	recently	studies	have	shown	that	 the	amount	of	replication	and	

the	type	of	replication	thresholds	applied	(e.g.	additive	or	restrictive)	can	affect	the	

diversity	 detected	 (Alberdi	 et	 al.	 2017).	 My	 results	 show	 that	 even	 the	 rule	 of	

thumb	of	three	replicates	would	not	be	sufficient	for	many	species,	highlighting	the	

need	to	consider	these	parameters	on	a	case	by	case	basis.		

	

When	 estimating	 cumulative	 detection	 probabilities	 for	 PCR	replicates,	 however,	

the	curves	showed	a	far	greater	number	of	replicates	per	sample	would	be	needed	

to	reach	50%	detection	probability	in	the	dry	season	(2015)	than	in	the	wet	season	

(2016).	In	the	2015	data,	the	requirement	for	over	ten	PCR	replicates	(in	order	to	



	

	

132	

be	confident	of	 the	detection	results)	 is	currently	unlikely	 to	be	 feasible	 for	most	

laboratory	 studies,	 due	 to	 financial	 and	 time	 constraints.	 Yet	 there	 is	 a	 growing	

need	 for	 reliable	 eDNA	 testing,	 especially	 given	 the	 popularity	 of	 sampling	 for	

species	of	conservation	concern.	For	example,	water	sampling	for	eDNA	has	been	

used	by	the	British	government	(The	Department	for	Environment,	Food	and	Rural	

Affairs,	 DEFRA)	 in	 surveys	 for	 the	 EU-protected	 great	 crested	 newt	 (Triturus	

cristatus)	 (Bigg	 et	 al.	 2014).	 To	 obtain	 high	 confidence	 in	 detections,	 Bigg	 et	 al.	

(2014)	used	12	replicates;	however,	this	original	study	used	an	approach	based	on	

qPCR,	 which	 is	 less	 costly	 than	 one	 based	 on	 high	 throughput	 sequencing.	

Terrestrial	 leeches	 are	 also	 currently	 being	 used	 by	 the	 World	 Wildlife	 Fund	

(WWF)	 to	 search	 for	 the	 critically	 endangered	 saola	 (Pseudoryx	 nghentinhensis)	

(WWF	 2013).	 This	 represents	 a	 case	 where	 certainty	 of	 detection	 is	 extremely	

important	due	to	limited	conservation	funds,	and	the	potential	consequences	of	a	

false	 positive	 detection	 are	 high.	 The	 species-specific	 variation	 for	 detection	

probability	also	shows	 the	 importance	of	preliminary	 studies	 so	 that	parameters	

can	be	tailored	to	particular	taxa.		

	

One	way	to	improve	the	reliability	of	detections	in	eDNA	(and	iDNA)	studies	is	by	

combining	 information	 over	 multiple	 loci	 to	 obtain	 better	 resolution	 in	 species	

assignments.	 For	 example,	 in	 my	 study,	 several	 taxa	 could	 not	 be	 assigned	 to	

species-level,	and	instead	were	only	resolved	at	the	level	of	genus	(e.g.	Hystrix	was	

used	 for	H.	brachyura	 and	H.	 crassispinis).	Behavioural	 and	ecological	differences	

among	 congeners	 could	 potentially	 drive	 erroneous	 estimates	 of	 occupancy	 and	

detectability.	In	some	cases,	congeneric	taxa	may	also	differ	in	conservation	status.	

For	example,	within	the	genus	Muntiacus,	M.	muntjac	a	listed	by	the	IUCN	a	Least	

Concern	species	whereas	its	congener	M.	atherodes	is	listed	as	Near	Threatened.	A	

similar	 case	 is	 seen	 in	 the	 macaques,	 with	 Macaca	 nemestrina	 considered	

Vulnerable	but	M.	 fasciculata	 is	of	Least	Concern.	Consequently,	 the	conservation	

decision	and	actions	implemented	after	detecting	these	species	could	be	different,	

especially	if	it	were	found	that	the	more	common	species	was	driving	estimates	of	

occupancy.	Apart	from	using	just	16S	rRNA	gene,	other	studies	have	also	combined	

this	 with	 the	 12S	 rRNA	 marker	 to	 increase	 resolution	 for	 other	 blood-feeding	

insects	 (Kocher	 et	 al.	 2017c).	 However,	 the	 usefulness	 of	 any	 genetic	marker	 is	
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related	to	the	availability	of	reference	sequences,	and	indeed	the	completeness	and	

quality	of	the	reference	database	are	major	constraints.	Currently	16S	has	the	best	

reference	 database	 for	 Bornean	 mammals	 in	 part	 due	 to	 previous	 studies	 (e.g.	

Mohd	 Salleh	 et	 al.	 2017),	 although	 the	 COI	 marker	 has	 been	 adopted	 as	 the	

barcoding	marker	more	generally,	and	has	a	very	comprehensive	and	well-curated	

COI	 barcode	 reference	 database	 (BOLD,	 the	 Barcode	 of	 Life	 Database),	

(Ratnasingham	&	Hebert	2013).		

	

4.5.5.	Caveats	of	occupancy	modelling	iDNA		

Problems	with	false	positives	

To	my	knowledge	this	is	the	first	iDNA	study	to	apply	occupancy	models	and	more	

research	 is	 needed	 to	 understand	 the	 sources	 of	 error	 in	 such	 cases.	 To	 date,	

occupancy	model	studies	have	focused	on	the	problem	of	false	negative	detections	

(failing	to	record	a	species	that	is	present).	For	survey	methods	such	camera	traps,	

false	negatives	may	have	a	more	detrimental	effect	on	parameter	estimates	 than	

species	misidentifications	 (Moilanen	2002).	However,	more	 so	 than	other	 survey	

methods,	metabarcoding	 approaches,	 such	 as	 used	 in	my	 study,	 are	 likely	 to	 be	

more	 prone	 to	 higher	 levels	 of	 false	 positives	 through	 ambiguous	 or	 erroneous	

taxonomic	 assignments,	 contamination	 (from	 the	 field	 or	 laboratory)	 and	

incomplete	 reference	 sequences.	 Dealing	 with	 false	 positives	 is	 considered	

statistically	difficult,	and,	compared	to	false	negatives,	less	work	has	been	done	on	

developing	models	that	account	for	them.	Ficetola	et	al.	(2016)	advocated	zeroing	

single	 detection	 histories	 assuming	 these	 to	 be	 artefacts,	 while	 others	 have	

considered	this	practice	to	introduce	bias	(Lahoz-Monfort	et	al.	2016).		

	

In	this	study,	I	adopted	several	field	and	laboratory	practices	to	reduce	the	risk	of	

generating	false	positives.	These	included	the	use	of	protocols	specifically	designed	

for	 degraded	DNA	 (e.g.	 ancient	DNA),	 running	 and	 sequencing	 negative	 controls	

(PCR	and	extractions),	matched	primer	tagging	to	identify	tag-jumps,	using	lower	

numbers	of	PCR	cycles	to	reduce	non-target	DNA	amplification,	and	using	PCR	free	

laboratories.	 I	 also	 implemented	 bioinformatic	 techniques	 to	 reduce	

contamination,	 such	 as	 using	 post-clustering	 filtering	 (LULU),	 strict	 filtering	

thresholds	 and	 removing	 singletons,	 but	 this	 greatly	 reduced	 the	 number	 of	
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detections.	 Ideally,	 it	 would	 be	 best	 to	 calibrate	 the	models	 using	 unambiguous	

detections	 such	as	detections	 from	camera	 traps	which	were	 collected	alongside	

the	eDNA	samples	(Lahoz-Monfort	et	al.	2016).	Despite	these	measures,	however,	

it	 is	 still	possible	 that	 false	positives	were	 introduced	 in	 the	 field.	For	example,	 I	

extracted	 DNA	 from	 the	whole	 leech	 and	 there	 is	 a	 risk	 that	 any	mammal	 DNA	

found	on	the	outside	of	 the	 leech	could	be	amplified	too.	This	 type	of	problem	is	

probably	 more	 serious	 for	 eDNA	 studies	 that	 use	 water	 samples	 from	 flowing	

water	bodies;	 for	example,	where	DNA	can	move	downstream	causing	a	positive	

detection	in	a	site	where	the	species	was	not	present	(Deiner	&	Altermatt	2014).		

	

Closed	season	sampling		

Another	caveat	of	the	occupancy	model	used	is	the	assumption	that	sampling	takes	

place	within	a	closed	season,	where	the	true	occupancy	state	of	 the	species	does	

not	 change.	 Due	 to	 lack	 of	 knowledge	 on	 the	 dispersal	 ecology	 of	 the	 leeches	 I	

assumed	that	individuals	did	not	move	large	distances	without	being	attached	to	a	

mammalian	 host	 (Schnell	 et	 al.	 2015a).	 Although	 not	 yet	 recorded,	 it	 is	possible	

that	 terrestrial	leeches	do	move	 independently	of	 the	host,	and	there	 is	potential	

that	they	could	change	the	occupancy	state	and	thus	violate	model	assumptions.	A	

deeper	 understanding	 of	 the	 ecology	 of	 the	 invertebrate	 sampler	 needs	 to	 be	

known	to	be	able	to	account	for	leech	movement	in	the	models.		

	

Independent	leeches	and	herding	animals		

The	final	caveat	concerns	the	assumption	of	independent	detections.	In	this	study,	

I	 pooled	 individuals	 from	 the	 same	 site.	 While	 it	 is	 assumed	 that	 these	 leeches	

represent	independent	samples	(i.e.	the	detection	of	a	mammal	in	the	blood	meal	

of	one	does	not	influence	the	detection	of	another	in	the	blood	meal),	it	is	possible	

that	this	is	not	the	case.	For	example,	some	of	the	mammals	studied	are	known	to	

aggregate	and	travel	in	groups,	such	as	sambar	deer	(Rusa	unicolor)	and	bearded	

pig	(Sus	barbatus).	 If	 the	 leeches	were	actually	 feeding	on	 individuals	of	a	 family	

group	or	if	multiple	individuals	were	on	one	animal,	this	would	artificially	increase	

the	estimates	site	occupancy	 for	 that	species.	Using	the	leech	 iDNA	for	 individual	

identification	would	help	to	estimate	how	many	individual	mammals	are	being	fed	
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on	at	 a	 site,	 I	would	need	microsatellite	markers	 to	achieve	 this,	but	 it	has	been	

successful	for	other	invertebrate	samplers	(Schubert	et	al.	2015).	

	

4.6.	Conclusion	

In	 this	 study	 I	have	 shown	 that	powerful	 and	versatile	occupancy	models	 can	be	

combined	 with	 molecular	 detection	 data	 from	 iDNA	 studies.	 This	 allows	 the	

estimation	of	two	parameters	which	describe	imperfect	detections	and	uncertainty	

in	 the	 presence	 of	 a	 species	 at	 a	 particular	 site.	 By	 detecting	 species-specific	

differences	 in	 occupancy	 and	 detectability	 regarding	 several	 habitat	 quality	 and	

technical	metrics,	my	findings	demonstrate	that	leech	iDNA	occupancy	models	can	

be	usefully	applied	to	monitoring	in	a	conservation	context.	Yet	caveats	exist,	and	I	

highlight	 some	 aspects	 of	 this	 approach,	 both	 in	 the	 laboratory,	 and	 in	

understanding	 of	 the	 invertebrate	 ecology,	 where	 ongoing	 research	 and	

improvements	are	needed.		
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4.7	Supplementary	information	

Supplementary	tables	

	

Table	 S4.1	 Pearson’s	 correlation	 coefficients	 between	 the	 LiDAR	 vegetation	
covariates	used	in	occupancy	models,	*	shows	the	significance	where	a	=	0.05	

	 Canopy	height	
Habitat	

heterogeneity	
Above	ground	
biomass	

Forest	cover	

Canopy	
height	

1.00	 	 	 	

Habitat	
heterogeneity	

-0.72*	 1.00	 	 	

Aboveground	
biomass	

1.00*	 -0.72*	 1.00	 	

Forest	cover	 0.91*	 -0.72*	 0.87*	 1.00	
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Table	S4.2	Table	of	model	comparison	criteria	for	all	models	(m1-m5),	for	all	
mammalian	taxa	(full	taxonomic	names	in	Table	4.1)	in	both	seasons,	dry	(2015)	
and	wet	(2016).	The	covariates	used	in	the	models	are:	m1	=	null	(none),	M2	=	
habitat	heterogeneity	(morans)	M3	=	number	of	pools	per	site,	(pools)	M4	=	DNA	
concentration	(conc),	M5	=	total	pool	weight	(weight).	The	two	criteria	used	for	
model	comparison	are	Watanabe’s	AIC	(WAIC)	and	posterior-predictive	loss	(PPL)	

	 	 2015	 2016	

Species	 Model	 Covars	 WAIC	 PPL	 WAIC	 PPL	

HEDE	 m1	 none	 0.13	 8.86	 0.16	 10.50	

HEDE	 m2	 moran	 0.14	 8.94	 0.16	 10.43	

HEDE	 m3	 pools	 0.14	 9.23	 0.17	 10.97	

HEDE	 m4	 conc	 0.14	 8.83	 0.16	 10.51	

HEDE	 m5	 weight	 0.14	 8.82	 0.16	 10.59	

	 	 	 	 	 	 	

HYMU	 m1	 none	 0.41	 31.28	 0.28	 18.60	

HYMU	 m2	 moran	 0.41	 31.14	 0.29	 18.63	

HYMU	 m3	 pools	 0.42	 31.92	 0.31	 19.62	

HYMU	 m4	 conc	 0.41	 31.08	 0.24	 12.98	

HYMU	 m5	 weight	 0.41	 30.98	 0.27	 15.32	

	 	 	 	 	 	 	

HYSP	 m1	 none	 0.13	 7.57	 0.20	 15.10	

HYSP	 m2	 moran	 0.13	 7.65	 0.20	 15.14	

HYSP	 m3	 pools	 0.13	 7.88	 0.20	 15.24	

HYSP	 m4	 conc	 0.13	 7.52	 0.21	 15.27	

HYSP	 m5	 weight	 0.12	 7.44	 0.18	 14.11	

	 	 	 	 	 	 	

MASP	 m1	 none	 0.06	 3.93	 0.21	 14.51	

MASP	 m2	 moran	 0.07	 3.99	 0.22	 14.57	

MASP	 m3	 pools	 0.07	 4.17	 0.23	 15.19	

MASP	 m4	 conc	 0.06	 3.90	 0.13	 7.39	

MASP	 m5	 weight	 0.07	 3.91	 0.13	 7.64	

	 	 	 	 	 	 	

MUSP	 m1	 none	 0.50	 38.83	 0.35	 25.84	

MUSP	 m2	 moran	 0.50	 38.95	 0.35	 25.81	

MUSP	 m3	 pools	 0.49	 38.54	 0.37	 26.92	

MUSP	 m4	 conc	 0.50	 38.81	 0.35	 25.48	

MUSP	 m5	 weight	 0.50	 38.72	 0.36	 25.55	

	 	 	 	 	 	 	

RUUN	 m1	 none	 0.30	 26.17	 0.17	 12.25	

RUUN	 m2	 moran	 0.29	 26.08	 0.17	 12.29	

RUUN	 m3	 pools	 0.32	 27.77	 0.17	 12.30	

RUUN	 m4	 conc	 0.28	 23.96	 0.18	 13.03	
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RUUN	 m5	 weight	 0.28	 22.99	 0.19	 13.25	

	 	 	 	 	 	 	

SUBA	 m1	 none	 0.52	 40.54	 0.79	 62.31	

SUBA	 m2	 moran	 0.51	 40.43	 0.79	 62.27	

SUBA	 m3	 pools	 0.53	 41.21	 0.80	 62.45	

SUBA	 m4	 conc	 0.52	 40.26	 0.83	 63.47	

SUBA	 m5	 weight	 0.51	 40.00	 0.83	 63.06	

	 	 	 	 	 	 	

TRSP	 m1	 none	 0.20	 12.77	 0.09	 6.26	

TRSP	 m2	 moran	 0.20	 12.70	 0.09	 6.28	

TRSP	 m3	 pools	 0.21	 13.24	 0.09	 6.26	

TRSP	 m4	 conc	 0.20	 12.68	 0.10	 6.40	

TRSP	 M5	 weight	 0.20	 12.68	 0.10	 5.87	

	 	 	 	 	 	 	

VITA	 m1	 none	 0.17	 10.87	 0.09	 5.95	

VITA	 m2	 moran	 0.17	 10.81	 0.09	 5.88	

VITA	 m3	 pools	 0.18	 11.23	 0.09	 6.00	

VITA	 m4	 conc	 0.16	 10.46	 0.09	 6.03	

VITA	 m5	 weight	 0.17	 10.66	 0.09	 6.08	
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Supplementary	figures	

	

Figures	 S4.1.	 Individual	 taxa	 response	 plots	 to	 the	 site,	 sample	 and	 replicate	

covariates	with	their	respective	95%	Bayesian	credible	intervals.	For	each	taxa	the	

top	panel	is	the	response	in	the	dry	season	(2015)	and	the	bottom	panel	is	the	wet	

season	(2016)	response.	Plot	(1)	shows	the	response	of	occupancy	probability	 to	

changes	 in	 habitat	 heterogeneity	 (Moran)	 on	 the	 left	 side	 and	 the	 response	 to	

changes	 in	 sampling	 effort	 on	 the	 right	 side.	 Plot	 (2)	 shows	 the	 response	 of	

detection	 probability	 to	 the	 two	 replicate-level	 covariates,	 DNA	 concentration	 of	

the	extract	on	the	left	and	the	total	weight	of	the	individual	leeches	on	the	right.		
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HEDE	-	Banded	civet	(Hemigalus	derbyanus)	

1. Occupancy	 probability	with	 habitat	 covariates	 and	 availability	 probability	

with	sample-level	covariates	

	

2. Detection	probability	with	replicate-level	covariates	
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HYMU	-	Bornean	gibbon	(Hylobates	muelleri)	

1. Occupancy	 probability	with	 habitat	 covariates	 and	 availability	 probability	

with	sample-level	covariates	

	

	

2. Detection	probability	with	replicate-level	covariate	
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HYSP	-	porcupine	(Hystrix	sp)	

1. Occupancy	 probability	with	 habitat	 covariates	 and	 availability	 probability	

with	sample-level	covariates	

	

	

2. Detection	probability	with	replicate-level	covariates	
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MASP	-	Macaque	(Macaca	sp)	

1. Occupancy	 probability	with	 habitat	 covariates	 and	 availability	 probability	

with	sample-level	covariates	

	

2. Detection	probability	with	replicate-level	covariates	
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MUSP	-	Muntjac	(Muntiacus	sp)	

1. Occupancy	 probability	with	 habitat	 covariates	 and	 availability	 probability	

with	sample-level	covariates	

	

2. Detection	probability	with	replicate-level	covariates	
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RUUN	-	Sambar	deer	(Rusa	unicolor)	

1. Occupancy	 probability	with	 habitat	 covariates	 and	 availability	 probability	

with	sample-level	covariates	

	

	

2. Detection	probability	with	replicate-level	covariates	
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SUBA	-	Bearded	pig	(Sus	barbatus)	

1. Occupancy	 probability	with	 habitat	 covariates	 and	 availability	 probability	

with	sample-level	covariates	

	

	

2. Detection	probability	with	replicate-level	covariates	
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TRSP	-	Mousedeer	(Tragulus	sp)	

1. Occupancy	 probability	with	 habitat	 covariates	 and	 availability	 probability	

with	sample-level	covariates	

	

	

2. Detection	probability	with	replicate-level	covariates	
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VITA	-	Malay	civet	(Viverra	tangalunga)	

1. Occupancy	 probability	with	 habitat	 covariates	 and	 availability	 probability	

with	sample-level	covariates	

	

	

2. Detection	probability	with	replicate-level	covariates	
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Figures	 S4.2.	 Shows	 the	 taxa	 specific	 seasonal	 responses	 to	 the	 (1)	 site-,	 (2)	

sample-	 and	 (3)	replicate-level	 covariates.	Each	panel	 is	 a	different	 taxon	and	all	

taxa	names	are	given	as	their	four-letter	code,	full	taxonomic	names	can	be	found	

in	Table	4.1.	The	purple	lines	represent	probabilities	calculated	in	the	dry	season	

of	2015	and	the	green	lines	represent	probabilities	calculated	in	the	wet	season	of	

2016	

(1) Seasonal	 differences	 in	 site-occupancy	 probability	 at	 sites	 with	 different	

levels	of	habitat	heterogeneity	 	
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(2) Seasonal	differences	in	sample-availability	probability	with	different	levels	

of	sampling	effort	as	determined	by	the	number	of	pools	sequenced	
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(3) Seasonal	differences	 in	detection	probability	with	the	concentration	of	the	

DNA	 extract.	 The	 seasons	 are	 shown	 on	 separate	 panels	 as	 the	

concentration	 was	 measured	 using	 two	 different	 techniques,	 thus	 not	

strictly	comparable	(Nanodrop	in	2015	and	Qubit	in	2016).	
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(4) Seasonal	differences	 in	detection	probability	with	the	total	relative	weight	

of	the	individual	leeches	included	in	the	DNA	extract	
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Chapter	5:	General	discussion	

	

5.1.	Main	findings	-	biodiversity	in	a	modified	landscape	

In	this	thesis	I	have	explored	the	use	of	leech-derived	iDNA	to	detect	mammalian	

diversity	across	a	human-modified	landscape.	In	 light	of	 the	rapid	and	 increasing	

modification	taking	place	across	the	tropics,	especially	in	Southeast	Asia	(Wilcove	

et	al.	2013),	new	technologies	are	needed	to	understand	the	impacts	that	this	has	

on	biodiversity	 (Corlett	2016).	Metabarcoding,	 the	 sequencing	of	 short	 loci	 from	

mixed	 samples	 (e.g.	 bulk,	 dietary	 and	 environmental),	 is	 becoming	 increasingly	

popular	 for	 conservation	 and	 monitoring,	 especially	 in	 the	 area	 of	 aquatic	

monitoring	 for	 rare	 or	 invasive	 species	 (Jerde	 et	 al.	 2011;	 Rees	 et	 al.	 2014).	

Examples	of	this	approach	also	include	examining	the	DNA	from	the	blood	meals	of	

invertebrates	to	identify	their	previous	prey	(iDNA),	which	has	potential	for	use	as	

a	method	 to	 survey	wildlife	 (Weiskopf	 et	 al.	 2017).	 Yet	 not	 all	 invertebrates	 are	

equal	 as	biodiversity	 samplers,	based	on	differences	 in	digestion	 rates,	dispersal	

distances	 and	host	 preferences	 (Calvignac-Spencer	 et	 al.	 2013a).	 To	date,	 two	of	

the	most	frequently	used	invertebrate	groups	for	this	application	are	carrion	flies	

(Calvignac-Spencer	et	al.	2013b)	and	haematophagous	terrestrial	leeches	(Schnell	

et	 al.	 2018).	 In	 this	 thesis	 I	 have	 isolated	 and	 studied	 iDNA	 sourced	 from	 two	

species	of	terrestrial	leech	and	have	shown	that	this	technique	can	detect	relatively	

high	levels	of	mammalian	diversity.	Focusing	on	a	tropical	landscape	that	has	been	

subject	 to	 intense	 pressure,	 I	 was	 also	 able	 to	 detect	 differences	 in	 mammal	

diversity	among	forest	types,	as	well	as	show	a	strong	interannual	difference.	I	also	

present	 one	 of	 the	 first	 applications	 of	 occupancy	 models	 to	 iDNA	 data,	 to	

understand	occurrence	of	mammal	DNA	while	accounting	for	detectability.	

	

5.1.1.	Dietary	differences	in	two	blood-feeding	leeches	

Previous	 assessments	 of	 iDNA,	 including	 those	 based	 on	 leeches,	 have	 analysed	

multiple	species	together	and	have	not	considered	the	potential	biases	introduced	

by	 potential	 differences	 in	 their	 diets	 or	 host	 preference	 (Schnell	 et	 al.	 2012;	

Weiskopf	 et	 al.	 2017).	 For	 this	 chapter	 I	 analysed	 the	 differences	 between	 two	

congeneric	and	co-distributed	terrestrial	 leeches	that	are	abundant	 in	Sabah:	 the	
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tiger	leech	(Haemadipsa	picta)	and	the	brown	leech	(Haemadipsa	sumatrana).	Very	

little	is	known	on	the	ecology	of	these	species,	and	by	sequencing	the	blood	meals	

of	pools	of	both	species	I	found	that	in	fact	there	were	differences	in	their	feeding	

behaviours.	From	my	results,	H.	sumatrana	appears	to	feed	on	a	nested	subset	of	

mammals	that	are	fed	on	by	H.	picta.	While	the	diversity	of	small-bodied	mammals	

detected	was	 low	 in	general,	 the	 only	detections	 of	 rodents	were	made	 using	H.	

picta.	Community	composition	did	not	differ	significantly	based	on	the	two	species	

or	 in	 different	 habitats	 (heavily	 vs.	 twice-logged	 logged	 forest).	 Considering	

diversity	detected	and	behavioural	traits,	I	concluded	that	H.	picta	appears	to	be	a	

better	 sampler	 of	 mammals.	 Preliminary	 studies	 on	 the	 effect	 of	 invertebrate	

behaviour	 is	 crucial	 to	 understanding	 the	 biases	 they	 introduce	 into	 sampling	

schemes	 (Schnell	 et	 al.	 2015a).	 Additionally,	 as	 the	 taxonomy	 and	 phylogenetic	

relationships	of	the	haemadipsid	leeches	are	an	active	area	of	research	(Trontelj	&	

Utevsky	 2005;	 Borda	 et	 al.	 2008;	 Borda	 &	 Siddall	 2010),	 studies	 including	

sequencing	 of	 the	 leeches	 themselves	 are	 also	 greatly	 important	 (Schnell	 et	 al.	

2018).	

	

5.1.2.	 Spatial	 and	 temporal	 changes	 in	 mammalian	 diversity	 within	 a	 human-

modified	landscape	

Building	on	the	results	of	Chapter	2,	in	Chapter	3	I	then	used	H.	picta	to	perform	an	

in-depth	analysis	of	mammal	diversity	across	different	habitat	types,	from	primary	

forest	to	logged	forest	of	different	degrees	of	degradation.	I	found	that	while	finer-

scale	vegetation	metrics	did	not	significantly	explain	the	 levels	of	alpha	diversity	

detected,	broader	classifications	of	habitat	type	did.	Higher	levels	of	diversity	were	

found	 in	 logged	 forest	 habitats	 which	 is	 in	 agreement	 with	 previous	 research	

(Wearn	et	 al.	 2017).	However,	due	 to	 the	 almost	 complete	absence	of	 terrestrial	

leeches	in	extremely	degraded	and/or	dry	habitats,	including	oil	palm	plantations,	

these	could	not	be	surveyed	for	mammals	using	this	method.		

	

Overall,	I	show	that	the	detected	mammalian	diversity	from	2016	was	greater	than	

that	detected	in	2015.	The	underlying	reason	for	these	differences	is	complex	and	

could	 be	 related	 to	 logging	 disturbance	 (Burivalova	 et	 al.	 2014)	 and	 climatic	

changes,	 mass	 fruiting,	 and	 droughts	 associated	 with	 an	 ENSO	 event	 (Curran	 &	
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Leighton	2000).	My	findings	in	Chapter	3	show	that	logged	forest	habitats	harbour	

diversity	 and	 have	 conservation	 value	 which	 need	 to	 be	 protected	 from	 land-

conversion	(Berry	et	al.	2010;	Edwards	et	al.	2011).	The	results	also	demonstrate	

the	terrestrial	leech	iDNA	can	be	used	to	detect	local-scale	differences	in	diversity.	

	

5.1.3.	Accounting	for	imperfect	detections	

In	 Chapter	 4,	 I	 apply	 an	 occupancy	modelling	 framework	 to	my	data	 and	model	

iDNA	detections	for	ten	taxa	as	a	function	of	site-,	sample-	and	PCR	replicate-level	

covariates.	 I	 accounted	 for	 imperfect	 detections	 by	 using	 hierarchical	models	 to	

partition	the	data	into	the	availability	and	detectability	parameters	(Mordecai	et	al.	

2011).	 The	 results	 from	 these	 models	 again	 show	 a	 strong	 difference	 between	

occupancy	 and	 detectability	 between	 years.	 In	 general,	 I	 found	 that	 higher	 DNA	

occupancy	 is	 associated	with	 higher	 quality	 sites,	 however,	 this	 is	 very	 species-

dependent.	On	the	other	hand,	the	majority	of	species	showed	a	greater	chance	of	

DNA	detection	with	higher	DNA	extract	concentration.	This	is	the	first	time,	to	my	

knowledge,	that	occupancy	modelling	has	been	applied	to	iDNA	data,	and	as	such	

there	 are	 some	 caveats	 to	 the	 assumptions	 of	 these	 models,	 concerning	 false	

positives	and	closed	season	sampling.	False	positives	and	negatives	are	inherent	in	

iDNA	sampling,	and	can	arise	from	misidentifications	and	missing	reference	data.	

For	 the	 reason	 that	 failing	 to	 account	 for	 detectability	 of	 a	 species	will	 result	 in	

biased	 estimates	 (MacKenzie	 et	 al.	 2002),	 it	 is	 essential	 that	 if	 monitoring	 with	

iDNA	 is	 to	 be	 applicable	 and	 useful	 in	 conservation	 scenarios,	 then	 the	

development	 of	 these	 statistical	 frameworks	 is	 a	 key	 milestone	 (Schnell	 et	 al.	

2015a).	

	

5.2.	Mammalian	diversity	detected	with	leeches	

This	 field	 of	 biodiversity	monitoring	with	 iDNA	 is	 very	much	 in	 its	 infancy.	 For	

example,	very	 few	iDNA	studies	have	been	published	on	terrestrial	leeches	of	the	

family	(Haemadipsidae)	(Schnell	et	al.	2012,	2018;	Weiskopf	et	al.	2017;	Tessler	et	

al.	2018).	My	findings	from	a	single	landscape	build	on	the	results	of	these	earlier	

broader-scale	studies	and	confirm	that	terrestrial	leeches	sample	a	wide-range	of	

mammalian	diversity	from	different	habitats.	I	also	found	rare	species,	and	species	

of	high	conservation	concern	such	as	 the	Sunda	pangolin	(Manis	 javanica),	which	
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was	one	of	 the	 initially	posited	benefits	of	using	 iDNA	(Schnell	et	al.	2012).	Even	

though	I	was	not	able	to	compare	my	results	directly	with	temporally	and	spatially	

matched	camera	traps,	one	of	the	advantages	of	sampling	at	a	large	collaborative	

project	 such	 as	 SAFE	 is	 that	my	 results	 can	 later	 be	 compared	 to	other	datasets	

that	have	been,	or	are	 currently	being,	 generated	by	others	working	at	 the	 same	

site.	 However,	 preliminary	 comparisons	 suggest	 that	 the	 maximum	 species	

richness	detected	with	iDNA	is	lower	than	that	identified	using	camera-	and	live-	

traps	 (Deere	 et	 al.	 2017;	Wearn	 et	 al.	 2017),	 with	my	detections	 representing	 a	

nested	 subset	 of	 detections	 obtained	 by	 these	 other	 trapping	 methods.	 For	

example,	 using	 camera	 traps	 (Deere	 et	 al.	 2017)	 found	 24	 mammalian	 genera	

across	 16	 families	 in	2015,	with	which	 I	 find	a	 41%	overlap.	 In	 an	 earlier	 study	

(2011-2014)	also	 conducted	at	 the	 same	 field	site,	Wearn	et	al.	 (2017)	 found	31	

genera	 of	 medium-	 to	 large-bodied	 mammals	 using	 a	 combination	 of	 live	 and	

camera	trapping.	In	this	thesis,	I	was	able	to	detect	a	third	of	these	mammals	using	

rapid	 surveys	 of	 leeches,	 and,	 importantly	 I	 recorded	 three	 extra	 genera	 using	

iDNA	(two	arboreal	primates	and	a	murid	rodent)	 that	were	not	 identified	using	

cameras	(see	Deere	et	al.	2017).	

	

Eleven	of	the	taxa	detected	in	my	study	(including	potential	sister	species)	had	an	

IUCN	 red	 list	 classification	 putting	 them	 in	 a	vulnerable	 category	 e.g.	NT	 =	Near	

Threatened,	VU	=	Vulnerable,	EN	=	Endangered,	CR	=	Critically	Endangered.	These	

are	 mammals	 with	 vulnerable	 and	 declining	 populations	 and	 are	 of	 serious	

conservation	concern.	This	included	the	Bornean	gibbon	(Hylobates	muelleri,	EN),	

Asian	 elephant	 (Elephas	 maximus,	 EN)	 and	 the	 particularly	 imperilled	 Sunda	

pangolin	 (Manis	 javanica,	 CR).	 Logging	 has	 been	 shown	 to	 reduce	 abundance	 of	

species	within	these	vulnerable	classifications	(Costantini	et	al.	2016).	Even	so,	like	

other	 studies,	 by	 detecting	 such	 species	 in	 this	 landscape,	 this	 supports	 the	

conservation	 value	 of	 logged	 and	 disturbed	 forests	 (Edwards	 et	 al.	 2014).	 My	

results	 were	 dominated	 by	 medium-	 to	 large-bodied	 ungulates,	 in	 particular	

sambar	 deer	 (Rusa	 unicolor)	 and	 bearded	 pig	 (Sus	 barbatus).	 Even	 though	 these	

species	 are	 perceived	 to	 be	 common,	 they	 are	 both	 classified	 as	 Vulnerable	

meaning	 they	 are	 experiencing	 population	 declines	 and	 range	 reductions	 (IUCN	

2001).	Monitoring	these	populations,	along	with	other	large	herbivores,	is	a	crucial	
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part	 of	 conservation.	 Indeed,	 these	 species	 are	 disproportionately	 targeted	 for	

bushmeat,	and	their	species-specific	responses	to	logging	are	not	well	understood	

(Meijaard	&	Sheil	2008).	Considering	those	species	of	 ‘Least	Concern’,	 it	is	still	of	

utmost	 importance	 to	 include	 these	 in	 conservation	 efforts	 as	 52%	 of	 species	

classified	as	least	concern	are	declining	globally	(Schipper	et	al.	2008).		

	

5.3.	Limitations	of	sampling	with	iDNA	

5.3.1.	Missing	mammalian	groups	

Despite	 the	 utility	 of	 leech-based	 iDNA	 shown	 in	 this	 study,	 there	 were	 some	

species	and	groups	of	mammals	that	I	did	not	detect,	but	which	are	known	to	occur	

at	 the	 study	 site.	 These	 included	 detections	 of	wild	 cats	 (Felidae),	 in	 particular.	

Borneo	 has	 five	 cat	 species,	 only	 one	 of	 which	 does	 not	 have	 a	 vulnerable	

classification	 by	 the	 IUCN	 (leopard	 cat,	 Prionailurus	 bengalensis,	 LC)	

(www.iucnredlist.org).	 All	 species	 of	 cat,	 including	 the	 extremely	 rare	 bay	 cat	

(Pardofelis	 badia,	 EN)	 have	 been	 detected	 before	 at	 SAFE	 by	 camera	 trapping	

(Wearn	et	al.	2013).	Additionally,	H.	picta	and	H.	sumatrana	did	not	appear	to	feed	

commonly	on	small	or	arboreal	mammals,	or	on	any	bats,	all	of	which	show	high	

diversity	in	Borneo	(Wells	et	al.	2004;	Struebig	et	al.	2013;	Chapman	et	al.	2018).	

These	limitations	are	important	to	understand	if	iDNA	approaches	are	to	be	used	

for	targeted	surveys	in	conservation.	

	

5.3.2.	Restrictions	with	iDNA	sampler	choice	

As	mentioned	 previously,	 terrestrial	 leeches	 are	 restricted	 to	 habitats	with	 high	

humidity,	particularly	in	damp	tropical	forests	(Borda	et	al.	2008)	and	while	they	

are	 often	 found	 in	 degraded	 forests	 (e.g.	 this	 thesis;	 Kendall	 2012;	 Gąsiorek	 &	

Różycka	 2017),	 they	 are	 not	 found	 in	 the	 exposed	 agricultural	 plantations.	 This	

reduces	 the	 ability	 to	 use	 leeches	 in	 non-forested	 or	 temperate	 environments,	

where	blowflies	(Hoffmann	et	al.	2018)	or	dung	beetles	(Kerley	et	al.	2018)	may	be	

served	 as	 better	 potential	 iDNA	 samplers.	 Finally,	 it	 is	 important	 to	 note	 that,	

compared	 to	 some	 groups,	 it	 is	 not	 possible	 to	 set	unattended	 traps	 for	 leeches.	

This	contrasts	to	groups	such	as	dung	beetles	or	carrion	flies	that	can	be	collected	

in	 large	 numbers	 using	 traps	 baited	 with	 dung	 or	 meat,	 respectively.	 While	

methods	of	trapping	may	influence	the	species	captured,	they	also	offer	the	means	
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to	replicate	trapping	effort,	as	well	as	remove	the	potential	for	any	observer	biases	

during	leech	collections.	

	

5.3.3.	Invertebrate	overharvesting	impacts	

Finally,	 nothing	 is	 known	 of	 the	 impacts	 of	 extracting	 invertebrates	 from	 the	

environment	for	iDNA	studies,	and	this	is	an	area	that	needs	more	work.	In	areas	

which	 are	 already	 at	 risk	 from	 extended	 dry	 seasons	 and	 land-conversion,	

overharvesting	of	individuals	could	place	extra	stressors	on	population	viability	of	

invertebrate	groups,	with	potentially	knock-on	consequences	 for	 interacting	 taxa	

such	 as	 predators.	 For	 terrestrial	 leeches	 in	 particular,	 their	 ecology	 is	 not	well	

understood	 (Borda	 &	 Siddall	 2010)	 yet	 recent	 studies	 have	 highlighted	 the	

cascading	 impact	 of	 invertebrate	 removal.	 For	 example,	 the	 experimental	

suppression	 of	 termites	 in	 Borneo	 led	 to	 a	 loss	 of	 ecosystem	 functioning,	 and	

reduced	resilience	to	drought	during	the	2015-2016	El	Nino	drought	(Ashton	et	al.	

2019).	While	 the	 ecological	 roles	 of	 terrestrial	 leeches	may	 not	 be	 as	 critical	 as	

those	of	termites,	anecdotally	leeches	are	thought	to	be	a	prey	species	for	some	of	

the	native	birds	and	fishes,	and	thus	their	removal	may	directly	impact	food	webs	

and	 trophic	 interactions.	 Steps	 to	 reduce	sampling	 in	 iDNA	studies	 could	 include	

preliminary	 testing	 of	 primers,	 and	 well-planned	 and	 executed	 study	 designs.	

Limits	on	the	numbers	of	individuals	taken	should	also	be	considered.	Such	steps	

to	mitigate	 potential	 negative	 impacts	 on	 such	 populations	 are	 likely	 to	 become	

more	important	as	interest	in	leeches	as	iDNA	samplers	of	biodiversity	increases.	

In	 general,	 more	 research	 is	 needed	 on	 the	 taxonomy	 and	 behaviour	 of	 this	

understudied	 group	 (e.g.	 Chapter	 2;	 Weiskopf	 et	 al.	 2017;	 Schnell	 et	 al.	 2018;	

Tessler	et	al.	2018).	

	

5.4.	Future	developments	for	iDNA	sampling	

While	my	study	has	demonstrated	the	utility	of	 iDNA	for	monitoring,	several	key	

future	 developments	 and	 protocols	 might	 further	 improve	 this	 approach.	 First,	

iDNA	 studies	will	 benefit	 from	 “ground-truthing”	 using	 camera-traps,	 to	 provide	

accurate	comparisons	between	sampling	methods	(e.g.	Lee	et	al.	2016;	Weiskopf	et	

al.	2017).	Once	we	know	where	the	discrepancies	in	detection	lie,	iDNA	sampling	

can	 be	 deployed	 as	 a	 complementary	method	alongside	 large-scale	 or	 long-term	
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camera	 trapping	 campaigns.	 Using	 these	 two	methods	 in	 conjunction	with	 each	

other	might	offer	 benefits	 for	 sampling	 across	 seasons,	when	 a	 single	method	 is	

less	effective	on	its	own.	Indeed,	as	my	research	has	shown,	surveying	biodiversity	

with	 leeches	 is	 successful	 during	 rainy	 seasons,	 when	 camera	 trapping	 can	 be	

impacted	 by	 water	 damage,	 condensation,	 and	 flooding.	 Second,	 the	 ability	 to	

quantify	 biomass	 from	 iDNA	 would	 add	 enormous	 additional	 benefit	 for	

conservation	 monitoring.	 Attempting	 to	 quantify	 biomass	 from	 relative	 read	

abundance	 is	 currently	 a	 controversial	 area	 of	 research	 but	 one	 that	 is	 gaining	

traction	 (Deagle	 et	 al.	 2018).	 Finally,	 the	 identification	 of	 individuals	 of	 host	

species	will	be	a	crucial	development	(Schubert	et	al.	2015).	 Individual	 identities	

would	 allow	 for	 estimation	 of	 abundances	 and	 the	 use	 of	 capture-mark-release	

analysis	 techniques	 (Schnell	 et	 al.	 2015a).	 Being	 able	 to	 quantify	 intraspecific	

variation	 would	 allow	 for	 more	 detailed	 assessments	 of	 the	 vulnerability	 of	 a	

population,	 e.g.	 sex-specific	 space	 use	 in	 clouded	 leopards	 (Wearn	 et	 al.	 2013).	

Aside	from	such	methodological	steps,	the	ongoing	falling	costs	of	sequencing	will	

continue	to	increase	the	scope	of	these	iDNA	based	screening	programmes.	

	

In	 practice,	 I	 have	 shown	 that	 using	 iDNA	 has	 potential	 as	 a	 biodiversity	

monitoring	technique	in	tropical	forests.	Like	the	use	of	eDNA	for	freshwater,	iDNA	

can	bring	benefits	to	biodiversity	monitoring,	such	as	remote	detection	of	species	

that	 are	 difficult	 to	 spot,	 and	 the	 ability	 to	 achieve	 greater	 geographic	 coverage	

with	reduced	costs	in	the	field.	In	the	face	of	rapid	habitat	loss	and	climate	change,	

we	need	to	be	innovative	and	use	all	new	technologies	we	have	access	to,	to	gain	

the	 most	 accurate	 biodiversity	 information.	 For	 conservation	 monitoring,	 using	

leeches	(or	another	invertebrate	sampler)	is	a	realistic	approach	for	gaining	rapid	

information.	However,	 to	 advance	 iDNA	 sampling	 further,	 a	 greater	 appreciation	

and	understanding	 for	 the	ecology	of	terrestrial	 leeches	 is	needed,	 including	host	

preferences	and	dispersal	distances.	Understanding	this	would	allow	biodiversity	

surveys	to	be	tailored	to	the	research	question	or	target	species.	Perhaps	the	most	

important	 deciding	 factor	 in	 the	 future	 uptake	 of	 this	 method	 as	 a	 standard	

component	 in	 the	 “ecologist’s	 toolbox”	 is	 the	 continuing	 reduction	 in	 sequencing	

costs	and	 improvements	 in	 reference	databases.	Regardless	of	 the	developments	

that	need	to	be	made,	my	findings	show	that	the	vulnerable	and	degraded	forests	
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of	 Sabah	have	 retained	mammalian	biodiversity	 that	 appears	 resilient	 to	 serious	

disturbance	events	(e.g.	ENSO	and	logging).	Therefore,	it	is	in	these	forests,	within	

human-modified	 landscapes	 that	 must	 remain	 at	 the	 forefront	 of	 conservation	

action,	if	we	are	going	to	slow	the	biodiversity	crisis.	
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Appendix	

Appendix	1	

Accession	 numbers	 and	 taxonomic	 details	 for	 the	 16S	 reference	 sequences	

included	 in	 the	 database	 used	 to	 assign	 mammal	 species	 to	 the	 unknow	 OTU	

sequences	from	leech	iDNA.	Accession	numbers	are	from	NCBI	Genbank.		
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Aeromys	 tephromelas	 AY227482	 Muntiacus	 muntjak	 NC4563	

Aonyx	 cinerea	 KY117535	 Mus	 musculus	 NC12387	

Aonyx	 cinerea	 KY117536	 Mustela	 nudipes	 MG996893	

Arctictis	 binturong	 KY117560	 mutilata	 isolate	 FJ613473	

Arctogalidia	 trivirgata	 MG996895	 Nannosciurus	 melanotis	 AY227461	

Bos	 javanicus	 AB915322	 Nannosciurus	 melanotis	 KT001463	

Bos	 javanicus	 AB915322	 Nasalis	 larvatus	 JF293094	

Bos	 javanicus	 JN632605	 Nasalis	 larvatus	 KM889667	

Bos	 javanicus	 JN632606	 Nasalis	 larvatus	 NC8216	

Bos	 javanicus	 NC12706	 Nasalis	 larvatus	 U39012	

Bos	 taurus	 AB090990	 Neofelis	 nebulosa	 MG996889	

Bos	 taurus	 AB090991	 Niviventer	 cremoriventer	 KY117572	

Bos	 taurus	 AB090992	 Niviventer	 cremoriventer	 KY117573	

Bos	 taurus	 AB090993	 Nycticebus	 coucang	 AF212952	

Bos	 taurus	 AF492351	 Nycticebus	 coucang	 AJ309867	

Bos	 taurus	 KT375529	 Nycticebus	 coucang	 AY773981	

Bos	 taurus	 KT827208	 Nycticebus	 coucang	 GQ253662	

Callosciurus	 adamsi	 KR911800	 Nycticebus	 coucang	 NC2765.1	

Callosciurus	 adamsi	 NC30071	 Paguma	 larvata	 KP233214	

Callosciurus	 notatus	 AY227453	 Paguma	 larvata	 KT191130	

Callosciurus	 notatus	 KY117541	 Paguma	 larvata	 NC29403	

Callosciurus	 notatus	 KY117542	 Paradoxurus	 hermaphroditus	 KJ698653	

Callosciurus	 prevostii	 KY117543	 Paradoxurus	 hermaphroditus	 MG996898	

Canis	 lupus	 EU740414	 Pardofelis	 marmorata	 AY499299	

Catopuma	 badia	 AF006435	 Pardofelis	 marmorata	 AY499300	

Catopuma	 badia	 KP202256	 Pardofelis	 marmorata	 KF754883	

Catopuma	 badia	 KR135746	 Pardofelis	 marmorata	 KF754884	

Catopuma	 badia	 KX265094	 Pardofelis	 marmorata	 KP202263	

Catopuma	 badia	 KX265095	 Pardofelis	 marmorata	 NC28303	

Catopuma	 badia	 KX265096	 Petaurillus	 kinlochii	 AY227490	

Catopuma	 badia	 NC28300	 Petaurista	 elegans	 KU579289	

Cephalopachus	 bancanus	 AF348159	 Petinomys	 setosus	 AY227492	
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Cervus	 unicolor	 AY391769	 Pongo	 pygmaeus	 AY765084	

Cervus	 unicolor	 AY391770	 Pongo	 pygmaeus	 AY765085	

Cervus	 unicolor	 DQ989636	 Pongo	 pygmaeus	 AY765087	

Cervus	 unicolor	 EF035448	 Pongo	 pygmaeus	 AY765089	

Chimarrogale	 himalayica	 DQ630345	 Pongo	 pygmaeus	 AY765090	

Chimarrogale	 himalayica	 GU981061	 Pongo	 pygmaeus	 D38115	

Chimarrogale	 himalayica	 GU981062	 Pongo	 pygmaeus	 KU353723	

Civettictis	 civetta	 KJ193027	 Pongo	 pygmaeus	 NC1646	

Civettictis	 civetta	 KJ193028	 Prionailurus	 bengalensis	 HM185183	

Civettictis	 civetta	 KJ193029	 Prionailurus	 bengalensis	 JN392459	

Civettictis	 civetta	 KJ193283	 Prionailurus	 bengalensis	 KF754877	

Civettictis	 civetta	 KJ193284	 Prionailurus	 bengalensis	 KF754878	

Crocidura	 foetida	 EF524857	 Prionailurus	 bengalensis	 KF754879	

Crocidura	 foetida	 EF524859	 Prionailurus	 bengalensis	 KJ850247	

Crocidura	 fuliginosa	 EF524812	 Prionailurus	 bengalensis	 KJ850248	

Crocidura	 fuliginosa	 EF524813	 Prionailurus	 bengalensis	 KP202257	

Crocidura	 fuliginosa	 EF524860	 Prionailurus	 bengalensis	 KP202258	

Crocidura	 fuliginosa	 EF524883	 Prionailurus	 bengalensis	 KP202259	

Crocidura	 fuliginosa	 GU981077	 Prionailurus	 bengalensis	 KP202260	

Cynocephalus	 variegatus	 AJ428849	 Prionailurus	 bengalensis	 KP246843	

Cynogale	 bennetti	 KY117544	 Prionailurus	 bengalensis	 KR132586	

Dendrogale	 melanura	 JF795293	 Prionailurus	 bengalensis	 KR132587	

Dicerorhinus	 sumatrensis	 FJ905816	 Prionailurus	 bengalensis	 KX857784	

Dicerorhinus	 sumatrensis	 KY117545	 Prionailurus	 bengalensis	 NC16189	

Dicerorhinus	 sumatrensis	 NC12684	 Prionailurus	 bengalensis	 NC28301	

Diplogale	 hosei	 MG996896	 Prionailurus	 planiceps	 AF006407	

Dremomys	 everetti	 KR911798	 Prionailurus	 planiceps	 KP202280	

Echinosorex	 gymnura	 AF348079	 Prionailurus	 planiceps	 KR132592	

Echinosorex	 gymnura	 NC2808	 Prionailurus	 planiceps	 KR135743	

Elephas	 maximus	 AJ428946	 Prionailurus	 planiceps	 NC28312	

Elephas	 maximus	 DQ316068	 Prionodon	 linsang	 MG996894	

Elephas	 maximus	 NC5129	 Pteromyscus	 pulverulentus	 AY227491	

Exilisciurus	 exilis	 AY227456	 Ptilocercus	 lowii	 JF795291	

Exilisciurus	 exilis	 KR911801	 Rattus	 baluensis	 KY611363	

Exilisciurus	 exilis	 KY117546	 Rattus	 baluensis	 KY611388	

Exilisciurus	 exilis	 NC30072	 Rattus	 baluensis	 KY611390	

Galeopterus	 variegatus	 JN800721	 Rattus	 exulans	 NC12389	

Galeopterus	 variegatus	 NC4031	 Rattus	 rattus	 NC12374	

Gallus	 gallus	 AP003319	 Rattus	 tiomancus	 KY117580	

Gehyra	 mutilata	 FJ613470	 Rattus	 tiomanicus	 KP876560	
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Gehyra	 mutilata	 FJ613471	 Rattus	 tiomanicus	 KY117579	

Gehyra	 mutilata	 FJ613472	 Rattus	 tiomanicus	 KY117581	

Giraffa	 camelopardalis	 NC12100	 Rattus	 tiomanicus	 NC29888	

Giraffa	 camelopardalis	 NC24820	 Ratufa	 affinis	 AY227495	

Helarctos	 malayanus	 EF196664	 Rheithrosciurus	 macrotis	 AY227498	

Helarctos	 malayanus	 FM177765	 Rhinosciurus	 laticaudatus	 AY227463	

Helarctos	 malayanus	 NC9968	 Rusa	 unicolor	 GQ411195	

Hemidactylus	 frenatus	 GQ245970	 Rusa	 unicolor	 GQ411196	

Hemidactylus	 frenatus	 HM012691	 Rusa	 unicolor	 JN714148	

Hemidactylus	 frenatus	 HM192680	 Rusa	 unicolor	 KX156946	

Hemidactylus	 frenatus	 NC12902.2	 Rusa	 unicolor	 KY117576	

Hemigalus	 derbyanus	 MG996897	 Rusa	 unicolor	 NC31835	

Homo	 sapiens	 NR137295	 Rusa	 unicolor	 NC8414	

Homo	 sapiens	 NR137295	 Suncus	 etruscus	 DQ630314	

Hylobates	 muelleri	 AB050178	 Suncus	 etruscus	 FJ486943	

Hylobates	 muelleri	 AB050179	 Suncus	 etruscus	 FJ486944	

Hylobates	 muelleri	 EF152491	 Suncus	 etruscus	 FJ716832	

Hylobates	 muelleri	 HQ622778	 Suncus	 etruscus	 JN556042	

Hylobates	 muelleri	 HQ622779	 Suncus	 murinus	 DQ630306	

Hylobates	 muelleri	 HQ622780	 Suncus	 murinus	 DQ630347	

Hylobates	 muelleri	 HQ622781	 Suncus	 murinus	 EF507191	

Hylomys	 suillus	 AM905041	 Suncus	 murinus	 FJ486952	

Hylomys	 suillus	 AM905042	 Suncus	 murinus	 FJ486953	

Hylomys	 suillus	 AY121770	 Sundamys	 infraluteus	 KY117583	

Hylomys	 suillus	 DQ630368	 Sundamys	 muelleri	 KY117584	

Hylomys	 suillus	 NC10298	 Sundamys	 muelleri	 KY117585	

Hystrix	 brachyurus	 KR816507	 Sundasciurus	 brookei	 AY227465	

Muntiacus	 muntjak	 AF108038	 Sundasciurus	 brookei	 KY117586	

Hystrix	 indica	 DQ901405	 Sundasciurus	 lowii	 KY117587	

Hystrix	 indica	 JN714136	 Sus	 barbatus	 GQ338944	

Hystrix	 indica	 JN714143	 Sus	 barbatus	 KP789021	

Hystrix	 indica	 JN714144	 Sus	 barbatus	 NC26992	

Hystrix	 indica	 JN714145	 Tarsius	 bancanus	 NC2811	

Iomys	 horsfieldi	 AY227488	 Trachypithecus	 cristatus	 KJ174503	

Lariscus	 insignis	 AY227459	 Trachypithecus	 cristatus	 KY117598	

Lariscus	 insignis	 KR911799	 Trachypithecus	 cristatus	 NC23971	

Lariscus	 insignis	 KY117550	 Tragulus	 kanchil	 JN632709	

Lariscus	 insignis	 NC30070	 Tragulus	 kanchil	 NC20753	

Leopoldamys	 sabanus	 KY117551	 Tragulus	 Napu	 KY117549	

Leopoldamys	 sabanus	 KY117552	 Tragulus	 napu	 M55539	
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Leopoldamys	 sabanus	 KY117553	 Trichys	 fasciculata	 KY117590	

Leopoldamys	 sabanus	 KY117554	 Tupaia	 dorsalis	 JF795305	

Leopoldamys	 sabanus	 KY117555	 Tupaia	 glis	 JF795307	

Leptobarbus	 hoevenii	 AP011286	 Tupaia	 glis	 JF795308	

Leptobarbus	 hoevenii	 NC15528	 Tupaia	 glis	 MG996900	

Lutra	 sumatrana	 KY117556	 Tupaia	 gracilis	 JF795309	

Lutrogale	 perspicillata	 KY117557	 Tupaia	 longipes	 JF795311	

Lutrogale	 perspicillata	 KY117558	 Tupaia	 minor	 JF795313	

Macaca	 fascicularis	 KM851002	 Tupaia	 minor	 JF795314	

Macaca	 fascicularis	 KM851003	 Tupaia	 montana	 JF795315	

Macaca	 fascicularis	 KM851004	 Tupaia	 picta	 F795318	

Macaca	 fascicularis	 KM851005	 Tupaia	 splendidula	 JF795319	

Macaca	 nemestrina	 KP765688	 Tupaia	 splendidula	 JF795320	

Macaca	 nemestrina	 KY117594	 Tupaia	 tana	 AF203727	

Macaca	 nemestrina	 NC26976	 Tupaia	 tana	 JF795321	

Manis	 javanica	 KP306515	 Tupaia	 tana	 JF795322	

Manis	 javanica	 KT445979	 Urva	 brachyura	 MG996890	

Manis	 javanica	 NC26781	 Urva	 semitorquata	 MG996891	

Martes	 flavigula	 FJ719367	 Varanus	 salvator	 AB980995	

Martes	 flavigula	 HM106326	 Viverra	 tangalunga	 MG996899	

Martes	 flavigula	 KM347744	 Muntiacus	 muntjak	 EF523635	

Martes	 flavigula	 NC12141	 Muntiacus	 muntjak	 EF523636	

Maxomys	 surifer	 KY117565	 Muntiacus	 muntjak	 EF523637	

Maxomys	 surifer	 KY117566	 Muntiacus	 muntjak	 EF523638	

Maxomys	 whiteheadii	 KY117568	 Muntiacus	 muntjak	 EF523639	

Maxomys	 whiteheadii	 KY117569	 Muntiacus	 muntjak	 KY117560	

Maxomys	 whiteheadii	 KY117570	 Muntiacus	 muntjak	 AF108039	

Maxomys	 whiteheadii	 KY117571	 Muntiacus	 muntjak	 AY225986	

Melogale	 moschata	 MG996892	 Muntiacus	 atherodes	 KY117559	
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Appendix	2	

OTU	table	 for	Chapter	3	–	A	species	by	site	 table	showing	a	1	where	that	species	

was	detected	and	a	0	for	a	non-detection	

Column	headings	

- SITE:	B,	D,	E,	F	=	heavily	 logged,	LFE,	LF1,	LF2,	LF3	=	 twice-logged,	OG	=	

primary,	R0,	R5,	R30,	RLFE	=	riparian		

- NO.:	Number	of	leeches	per	pool	

- Year:	15	=	2015,	16	=	2016	

- Four	letter	codes	used	for	species	detected	in	leech	iDNA	

SUBA	 	Sus	barbatus	 RUUN	 Rusa	unicolor	 MUSP	 Muntiacus	sp	

BOSP	 Bos	sp	 TRSP	 Tragulus	sp	 MAJA	 Manis	javanica	

HYSP	 Hystrix	sp	 TRFA	 Trichys	fasciculata	 PRSP	 Prionailurus	sp	

VITA	 Viverra	tangalunga	 HEDE	 Hemigalus	derbyanus	 ARTR	 Arctogalidia	trivirgata	

PALA	 Paguma	larvata	 HEMA	 Helarctos	malayanus	 MASP	 Macaca	sp	

HYMU	 Hylobates	muelleri	 ELMA	 Elephas	maximus	 	 	
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B	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
B	 10	 15	 1	 1	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
B	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
B	 10	 15	 0	 1	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
B	 7	 15	 0	 0	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
B	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
B	 10	 15	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 1	 0	
B	 10	 15	 1	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
B	 10	 15	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	
B	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
B	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
B	 9	 15	 0	 0	 1	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
B	 10	 15	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
B	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
B	 10	 16	 0	 1	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
B	 10	 16	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
B	 10	 16	 0	 0	 0	 0	 1	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
B	 10	 16	 0	 0	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
B	 10	 16	 0	 1	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
B	 10	 16	 1	 0	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
B	 10	 16	 1	 1	 0	 0	 0	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	
D	 10	 15	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
D	 11	 15	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	
D	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
D	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
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D	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
D	 6	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 1	 0	
D	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
D	 6	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
D	 10	 16	 0	 1	 0	 0	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	
D	 4	 16	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
D	 10	 16	 0	 0	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
D	 10	 16	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
D	 11	 16	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
D	 10	 16	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
D	 10	 16	 0	 0	 1	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
D	 9	 16	 1	 0	 0	 0	 0	 0	 1	 0	 0	 1	 1	 0	 0	 0	 0	 0	 0	
D	 10	 16	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
D	 3	 16	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
E	 10	 15	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
E	 8	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
E	 10	 16	 1	 0	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
E	 10	 16	 0	 0	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
E	 8	 16	 0	 1	 1	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
F	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
F	 10	 15	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
F	 10	 15	 0	 1	 1	 0	 0	 0	 1	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	
F	 10	 15	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
F	 4	 15	 0	 0	 1	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LF1	 6	 15	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LF2	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LF2	 10	 15	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LF2	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LF3	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	
LF3	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LF3	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LF3	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LF3	 10	 15	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LF3	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LF3	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LF3	 12	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LF3	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LF3	 8	 16	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LF3	 10	 16	 0	 1	 0	 0	 0	 0	 1	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LF3	 10	 16	 1	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LF3	 10	 16	 1	 1	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LF3	 10	 16	 1	 0	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 1	 0	 0	 0	
LF3	 10	 16	 1	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 1	 0	 0	 0	
LF3	 10	 16	 1	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LF3	 9	 16	 1	 0	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LF3	 10	 16	 0	 0	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LF3	 10	 16	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LF3	 10	 16	 0	 0	 1	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 1	
LF3	 10	 16	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LFE	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 1	 0	 0	
LFE	 10	 15	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
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LFE	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LFE	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LFE	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LFE	 10	 15	 0	 1	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LFE	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LFE	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LFE	 10	 15	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LFE	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LFE	 10	 15	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LFE	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LFE	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LFE	 10	 15	 0	 1	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LFE	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LFE	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	
LFE	 10	 15	 1	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LFE	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LFE	 10	 16	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LFE	 3	 16	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LFE	 10	 16	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LFE	 10	 16	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LFE	 10	 16	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LFE	 10	 16	 1	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LFE	 10	 16	 1	 0	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LFE	 10	 16	 0	 0	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 1	 0	 0	 0	 0	
LFE	 10	 16	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 1	 0	 0	
LFE	 10	 16	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LFE	 10	 16	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 1	 0	
LFE	 10	 16	 1	 0	 0	 0	 1	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LFE	 10	 16	 1	 0	 1	 0	 0	 0	 1	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	
LFE	 10	 16	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
OG	 10	 16	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 1	 0	 0	
OG	 8	 16	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
OG	 10	 16	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
OG	 10	 16	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
OG	 7	 16	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
OG	 10	 16	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
OG	 10	 16	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 1	 0	 0	
OG	 9	 16	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
OG	 10	 16	 0	 0	 0	 0	 0	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	
OG	 12	 16	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
OG	 10	 16	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
OG	 10	 16	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
OG	 10	 16	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
OG	 10	 16	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
OG	 5	 16	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	
OG	 10	 16	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
OG	 10	 16	 0	 0	 1	 0	 0	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	
OG	 10	 16	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
OG	 10	 16	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
OG	 10	 16	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
OG	 10	 16	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
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OG	 9	 16	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
OG	 12	 16	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 1	 0	 0	
R0	 10	 15	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
R0	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
R0	 10	 15	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
R0	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
R0	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 1	 1	 0	 0	 0	 0	 0	 0	
R0	 10	 15	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
R0	 8	 16	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
R30	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
R30	 10	 15	 0	 0	 0	 0	 1	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
R30	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
R30	 10	 15	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
R30	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
R30	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
R30	 10	 15	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 1	 0	 0	 0	
R5	 7	 15	 0	 0	 1	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
R5	 9	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
R5	 10	 15	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 1	 0	 0	
R5	 10	 15	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
R5	 4	 15	 0	 0	 0	 1	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
R5	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
R5	 11	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
RLFE	 11	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
RLFE	 6	 15	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
RLFE	 11	 15	 0	 0	 1	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
RLFE	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	
RLFE	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
RLFE	 10	 15	 0	 0	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
RLFE	 4	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
RLFE	 11	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
RLFE	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
RLFE	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
RLFE	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	
RLFE	 11	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
RLFE	 11	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
RLFE	 4	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	
RLFE	 11	 16	 0	 0	 0	 0	 0	 0	 0	 1	 1	 0	 0	 0	 0	 0	 0	 0	 0	
RLFE	 9	 16	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
RLFE	 10	 16	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
RLFE	 10	 16	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
RLFE	 10	 16	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
RLFE	 10	 16	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
VJR	 10	 15	 0	 1	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
VJR	 10	 15	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
VJR	 13	 15	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
VJR	 10	 15	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
VJR	 10	 15	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
VJR	 10	 15	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
VJR	 6	 16	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
VJR	 4	 16	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
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VJR	 10	 16	 1	 1	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
VJR	 9	 16	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
VJR	 8	 16	 0	 0	 0	 0	 0	 1	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	 0	
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Appendix	3	

Vegetation	 metrics	 calculated	 from	 LiDAR	 data	 provided	 by	 T.	 Swinfield	 and	 D.	

Coomes	

Metrics	used	in	the	analysis	for	Chapter	3	and	Chapter	4	

Column	headings	

- Site:	A,	B,	D,	E,	F,	VJR	=	heavily	 logged,	LFE,	LF1,	LF2,	LF3	=	twice-logged,	

RHI,	TEM,	WES	=	primary,	R0,	R5,	R30,	RLFE	=	riparian		

- Moran	=	Habitat	heterogeneity	measured	by	Morans	I	

- CanopyHeight	=	top	of	canopy	height	measured	in	metres	

- CH_SD	=	Standard	deviation	of	canopy	height	

- AGB	=	Above	ground	biomass	

- ForestCov	=	Proportion	 forest	cover,	 the	 inverse	 is	Gap	fraction	–	used	 in	

Chapter	3	

	

Site	 Moran	 CanopyHeight	 CH_SD	 GapFraction	 AGB	 ForestCov	

A	 0.59	 14.61	 6.34	 0.23	 50.53	 0.77	
B	 0.51	 17.08	 6.48	 0.13	 65.32	 0.87	
C	 0.62	 10.31	 6.34	 0.53	 28.54	 0.47	
D	 0.63	 8.66	 5.95	 0.62	 21.46	 0.38	
E	 0.71	 10.89	 7.89	 0.53	 31.25	 0.47	
F	 0.60	 18.08	 8.06	 0.16	 71.70	 0.84	
LF1	 0.64	 22.92	 7.14	 0.06	 105.73	 0.94	
LF2	 0.45	 24.40	 5.65	 0.02	 117.20	 0.98	
LF3	 0.64	 23.16	 7.32	 0.07	 107.61	 0.93	
LFE	 0.49	 24.79	 5.87	 0.02	 120.28	 0.98	
VJR	 0.54	 27.37	 11.49	 0.09	 141.43	 0.91	
R0	 0.70	 10.21	 7.54	 0.57	 28.10	 0.43	
R30	 0.53	 15.98	 6.25	 0.16	 58.57	 0.84	
R5	 0.74	 12.10	 8.73	 0.49	 37.12	 0.51	
RLFE	 0.58	 23.52	 6.65	 0.04	 110.37	 0.96	
RHI	 0.44	 31.86	 13.74	 0.08	 181.42	 0.92	
TEM	 0.38	 33.79	 12.41	 0.04	 199.76	 0.96	
WES	 0.39	 31.30	 12.23	 0.05	 176.21	 0.95	
	


