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Abstract

The effectiveness of activated carbon and fourgygebiochar, switchgrass (300 °C and
600 °C), poultry manure (600 °C), and oak (~700W&h respect to mercury (Hg) and
methylmercury (MeHg) control was assessed in masotexperiments carried out for
524 d. Early in the study (<30 d), minimal diffecexs in concentrations of <0.45-um
filtered total Hg (THQ) in control and 5% biochananded systems were observed. At
later stages, THg concentrations in the amendeédrsgsdecreased to 8-80% of
concentrations in the sediment controls. Aqueomseatrations of MeHg were generally
lower in the amended systems than in the contnotk, an initial peak in MeHg
concentration corresponding to the onset of irath suifate reduction (~40 d) and a
second peak to methanogenic conditions (~400 dpseguencing analyses indicate the
microbial communities initially associated withrigenters and later shifted to iron-
reducing bacteria (FeRB), sulfate-reducing bact&@RB), and methanogens. These
analyses also indicated the existence of 12 orgen@ssociated with Hg methylation in
all systems. Community shifts were correlated whhnges in the concentrations of
carbon sources (dissolved organic carbon (DOC)oaganic acids) and electron
acceptors (N@, Fe, and S¢). Co-blending of biochars with Hg-contaminatedisesht

is an alternative remediation method for contrgllihe release of Hg and MeHg.

Key words: Mercury; Methylmercury; Biochar; Sediment; Renatitin; Geochemistry

1 Introduction

A number of industrial activities, including coalmbustion (Yudovich and Ketris, 2005),
refuse incineration (Cheng and Hu, 2012), and Adildag mining (Mendes et al., 2016),
have resulted in release of Hg and widespread wongéion of receiving watersheds. In
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such watersheds, Hg is often unevenly distributgdinvsediments, soils, and
groundwater and readily cycled among different pegdackson, 2016). .
Methylmercury (MeHg), an organic form of Hg, is rhumore bioaccumulative and toxic
than Hg in inorganic forms (Clarkson and Magos,&0@hounwou et al., 2003).
Methods such as sediment dredging (Han et al.,)2&@din situ amendment (Ahmad et
al., 2014; Gilmour et al., 2013; Hilber and Buch2010; Liu et al., 2017; Patmont et al.,
2015; Serrano et al., 2012) are available for émeediation of Hg-contaminated sites
(Mulligan et al., 2001; Randall and Chattopadhyzi 3),

MeHg is primarily produced through biotic processader reducing conditions.
The organisms, which can methylate Hg, mainly idelsulfate-reducing bacteria (SRB)
(Gilmour et al., 1992), iron reducing bacteria (B3fRKerin et al., 2006; Yu et al., 2011),
and methanogens (Hamelin et al., 2011; Yu et @ll32 These organisms utilize various
carbon sources and electron acceptors (Fe(lI)SMd) to methylate bioavailable Hg.
Adsorbents can be applied to remove MeHg and Heetlyr from the aqueous phase to
minimize mass transport (Gomez-Eyles et al., 20A8pther method to control MeHg is
the diminution of Hg bioavailability through its weersion to chemically stable forms
(Wang et al., 2012).

Different reactive materials are available fobgtaing Hg, including activated
carbon (AC) (Gilmour et al., 2013; Hilber and Bulth2010; Patmont et al., 2015), zero-
valent Fe (Weisener et al., 2005), sulfurized ¢@yson et al., 2011), sulfate-type
cements (Serrano et al., 2012; Serrano et al.,)28aBur and iron (Zhong et al., 2018),
and biochars (Ahmad et al., 2014; Li et al., 2Q4id;et al., 2016). However, most of the

reactive materials are expensive and not pradcdhrge contaminated sites, resulting
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in the need to identify cost-effective material€tmtrol Hg for remediation of large
areas.

Pyrolyzed carbon, including AC and biochars detifrem a range of plant
materials, has been applied to reduce Hg or MedHgdaumulation or concentrations in
pore water in sediment (Bundschuh et al., 2015n@uir et al., 2013; Gomez-Eyles et al.,
2013; Huntington et al., 2015). In Gilmour et &01{3) and Gomez-Eyles et al. (2013),
pore water concentrations and bioaccumulation oahkidjMeHg were effectively
reduced in freshwater sediment amended with AG;Hziowas effective for MeHg
sorption but less effective for control of inorgaiklg. These two studies were conducted
for 15 d and focused on bioaccumulation and distitim of Hg and MeHg between the
aqueous and solid phase (Gilmour et al., 2013; Gelayes et al., 2013). Bundschuh et
al. (2015) report Hg bioaccumulation decreased afteending sediments with pyrolyzed
carbon for up to 175 d. Huntington et al. (201%amt the application of AC decreases
pore water MeHg concentration, but not MeHg contensediments in field mesocosms
operated for 91 d. The decrease of MeHg conceotrati pore water was attributed to
adsorption by AC.

The studies that used pyrolyzed carbon to treatbfgaminated sediment
focused on the bioaccumulation of Hg or MeHg; numstcentration decreases were
attributed to adsorption, and the experimentalqoewas relatively short (15 or up to 175
d). Sediments are often rich in organic matter @dcontain various Fe- and sulfate-
containing minerals. DOC, labile organic carbokahhity (carbon source for
methanogens), and $0are released from various biochars and AC (Lial.e2015; Liu

et al., 2016; Riedel et al., 2014; Uchimiya et2013). All of these components might
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affect Hg speciation and MeHg evolution upon agtien of pyrolyzed carbon to the
sediment. For example, potential Hg methylatorsroathylate Hg by utilizing labile
carbon as an energy source (electron donor) arthé&Q* as electron acceptors,
biogenic $ and Hg combine to form Hg-S precipitates, Fe@ied from the reduction
of Fe(lll) and dissolved Hg compete fof,Sind dissolved organic matter (DOM) and Hg
form Hg-DOM complexes.

This study evaluated the stabilization of Hg andHgeusing AC and four distinct
biochars over an extended period of time (>500rocosm experiments were
conducted in an anaerobic chamber by mixing sedinbéchars, and water. Liu et al.
(2017) report the stabilization of Hg using twatleé four biochars (switchgrass biochars
pyrolyzed at 300 and 600 °C). The present studyptements this previous work by
evaluating the control of Hg and MeHg using momchar samples and discussing in
depth the factors that affect control of Hg and MeBeochemical measurements and
pyrosequencing analyses were conducted to trafls #ithe microbial community with
time and provide insights into mechanisms contigllHg and MeHg evolution after

amending with biochars.

2 Materialsand M ethods
2.1 Materials

Sediment was collected from an Hg-contaminatedositthe South River near
Waynesboro, VA, USA, 5.6 km downstream from a histpoint of Hg release (Fig. 1).
River water was collected upstream (~0.3 km) ofttiséoric release point. Four biochar
samples were employed in the study. Feedstocksedfibchars were air-dried and
pyrolyzed using a kiln at either 300 or 600 °C2e8 h under @deficit conditions. The

biochars include switchgrass biochars (300 °C, G820 and 600 °C, GRASS600) and
5
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poultry manure biochar (600 °C, MANUREG600) prepansohg methods provided in
detail by Liu et al. (2015), and commercial oakdhiar (rejects of product from Cowboy
Charcoal, ~700 °C, OAK700). Commercial AC (SigmahAdh Corp.) was used as a
benchmark for comparison.

2.2 Anaerobic Microcosm Experiments

Microcosm experiments were conducted by mixing lhéwcsediment, and river water at
a ratio of 1:20:160 (mass: 5, 100, and 800 g) ibemglass bottles. Controls included
ultra-pure water, river water, sediment mixed witker water, and biochar mixed with
river water. The sediment control and OAK700- anNWURE600-amended systems
were duplicated to facilitate statistical analy3ise experiments were conducted in an
anaerobic chamber (Coy Laboratory Products Inah) wigas mixture of 3.5%H
balanced M Argon was used to replace the volume removeddweampling events.
The amber bottles were shaken thoroughly to rehmsblid and aqueous phases after
each sampling event.

Aqueous samples were collected throughout the expat using Norm-Ject
syringes (Henke Sass Wolf). Aliquots of O.d&-filtered (Pall Corp.) sample were
collected for alkalinity, anion, total Hg (THg), Mg, cation, DOC, and nutrient (NHN
and PQ-P) analyses as well as ultraviolet (UV) absorbatcb4 nm. Because Hg is
known to bind to colloids of different sizes (P@issand Pilote, 1998; Stordal et al.,
1996), unfiltered and 0.gm filtered samples were also collected for THg gsial
Duplicate sampling events were regularly executedjfiality assurance and quality
control. Samples for THg, MeHg, and DOC were staneth-mL amber vials (VWR

International). Samples for anion, cation, and Uidlgses were stored in 15-mL high-



138

139

140

141

142

143

144

145

146

147

148

149

150

151

152

153

154

155

156

157

158

159

160

density polypropylene (HDPE) bottles (Thermo Scfent Samples for anion analyses
were maintained at 4 °C and analyzed within 48dmdes for cation and THg analyses
were acidified using 15.6N HN{nd stored at 4 °C. Samples for the determination
MeHg (acidified with 12.1N HCI), DOC, nutrients {dified using 8N HSQ,), and UV
absorbance (unacidified) were stored at -20 °Cdified samples had pH values <2.
Solid samples were collected periodically for Medigl pyrosequencing analyses using a
spatula and stored at -20 °C before analysis. &hgpbng time and methods were the
same as presented in Liu et al. (2017).
2.3 Water Analyses
Values of pH, Eh, and alkalinity were determinesidie the anaerobic chamber
immediately after sample collection. Value of pHsveetermined on unfiltered samples
using a Ross combination pH electrode (Orion 81586@rmo Scientific), calibrated
against pH 4, 7, and 10 buffers. Redox potentib) (ias determined on unfiltered
samples using an electrode (Orion 9678, Therman8ti®, the performance of which
was checked against ZoBell's (Nordstrom, 1977) lagtit’s (Light, 1972) solutions. The
reported value was corrected with the standarddygetr electrode. Alkalinity was
determined by adding bromocresol green-methylmdecator and titrating to the end
point using 0.16 mol t H,SO, and a digital titrator (HACH, Loveland).
Concentrations of anions (including short-chainamiig acids (OA)) were
determined using ion chromatography (ICS-5000, Bxo@orp.) with an lonPac AS11
4x250 mm column. NEN concentrations were determined using the salieyl
spectrophotometric method (Hach Test Method 81B8)C was determined using an

automated wet chemical oxidation method (Aurora01@3 Analytical). UV absorbance
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was measured at 254 nm (kb using a UV-visible spectrophotometer (Evolutid@@02
Thermo Scientific). Specific UV absorbance (SU¥Awas expressed as the ratio of
absorbance at 254 nm per meter to DOC concentgation

Cation concentrations were determined by inductigeupled plasma-optical
emission spectrometry (ICP-OES; Thermo Scient@ialP 6500) and inductively
coupled plasma-mass spectrometry (ICP-MS; Thernen8itc XSeries Il). NH-N
concentrations were determined using the salicgipéetrophotometric method (Hach
Test Method 8155). P&P concentrations were measured using the ascachic
spectrophotometric method (Hach Test Method 8048).

THg was determined using a cold vapor atomic flsceace spectroscopy
technique (CVAFS, Tekran 2600) following EPA metlid&81 (US EPA, 2002). The
method detection limit (MDL) for THg was 0.2 ng' (EPA 0.2 ng [*; Tekran 0.02 ng L
1) determined following the EPA procedure (40 CFRitR36). MeHg was analyzed
through distillation (Tekran 2750), aqueous ethglatand purge and trap with the
CVAFS technique (Tekran 2700) following EPA metld&80 (US EPA, 2002).
Determination of the MDL for MeHg was performed &ach run and an averaged MDL
of 0.02 ng [* was calculated (EPA 0.02 ng'L.Tekran 0.004 ngt). The quality
assurance and quality control (QA/QC) of MeHg asiglyvere presented in Table S1-S3,
including method blanks, distillation standard nesny, and detection limit.

2.4 Solid Phase Analysis
Wet solid samples for MeHg analysis were mixed \&iif6 KCI, 8M BHSQO,, and CuSQ®

for distillation to improve recovery following theethod described by Horvat et al.
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(1993). The distilled aqueous phase was then a#d/end analyzed by CVAFS as
described previously for the aqgueous MeHg samples.

Genomic DNA was isolated and purified from wet dghase using commercial
extraction kits (UltraClean Soil DNA Kit; MO BIO lbmratories) following the
supplier’s instructions. Purified DNA was stored2 °C up to one week and shipped
on ice to MR DNA Laboratory (Shallowater, TX) foynosequencing analyses. Detailed
information on the primers used, the processexanditions of polymerase chain
reaction and sequencing, and data processing proeeei provided in Liu et al. (2017).
Databases of fermenters, FeRB, SRB, and methanegaesassembled based on
published sources (Table S4-S7). A database ohpaltélg methylators was also
assembled by Liu et al. (2017) based on the mdtirgladentified by Oak Ridge National
Laboratory (2015). A MATLAE code was written to extract fermenters, FeRB, SRB,
methanogens, and methylators from the pyrosequemiata file using the assembled
databases.

Samples were oven-dried at 105 °C for 24 h, and bleenogenized and ground
using an agate mortar and pestle before analys(S/® content, elemental composition,
and total organic carbon. Each sample was analyzed times with mean values
reported herein. Solid-phase C/S content of thevs=d and biochar samples was
measured using a resistance furnace (Eltra CS-20086)elemental compositions of the
sediment and biochars were obtained by digestibowiomg EPA Method 3052 (multi-
acid digest with microwave assist) and analyzetdB+OES and ICP-MS. Total organic
carbon (TOC) analysis of the sediment followed ¢hsteps: 1) 0.5 g sediment was

digested with 40 mL of 10% 430, for 30 min; 2) the extract was passed throughaasgl
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fibre filter; 3) the filtrate was analyzed by a &tssegmented flow analyzer using
Standard Method 5310C to derive the value for TO@® sediment.

2.5 Statistical Analysis

The correlation between the measured parameterswedisated by calculation of
Pearson product moment correlation coefficientsThe significance of a correlation,
was tested usingtaest with a 95% confidence levé<€0.05). The similarity of each
parameter between the duplicated sediment con®@#&700-amended, and
MANUREG600-amended systems was tested by conduatitgst with a 95% confidence
level (P<0.05). At-test was conducted to evaluate whether THg anddvieH
concentrations in the amended systems were signtficdifferent from sediment

controls.

3 Resultsand Discussion
3.1 Overview of Sediment, River Water, and Biochar Samples

Microcosm experiments were conducted for 524 d uadaerobic conditions using
sediment with a Hg concentration of 187 |1y §otal elemental concentrations in the
sediment were 300 pg'ds, 16 000 uggFe, 150 ug g Cu, and 230 pgyMn. The
concentration of total organic carbon in the seditweas 17 600 pgy The river water
contained <5 ng t THg, <0.02 ng [* MeHg, and low concentrations of other elements.
The selection of these biochars was based on ttodypis temperature and their
properties, including potential to release orgauicls (OA), DOC, S&, and heavy
metals, content of C and S, and specific surfaea.arhese parameters are known to
influence Hg stabilization and MeHg production atural systems, and biochars with a
range of properties were selected to evaluatenflieence of these properties during

amendment. GRASS300 and GRASS600 were selectedhtpare the effect of pyrolysis
10
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temperature on Hg stabilization and MeHg productiaw concentration of OA and
DOC, and medium concentration of $Gare released by AC and GRASS600 (Table 1):
low and medium concentrations of these componestseteased by OAK700 and
GRASS300, respectively; low concentration of OA &W@C, and high concentration of
SO, are released by MANUREGOO (Liu et al., 2015; Liwle, 2016). The reactive
materials were rich in carbon (Table 1), e.g., 70far GRASS300 and 94-99.9% for AC,
OAK700, and GRASS600, with the exception of MANUREBEG18.5%). S content
ranged from <0.1% for OAK700 to as high as 0.55%@&RASS600. The reactive
materials except MANUREG00 were low in other eletagemcluding major and minor
elements. The MANUREG600 was rich in Al, Ca, FeMg, Na, and P. The surface area
of AC, OAK700, GRASS300, GRASS600 and MANUREG600 wése, 65, 2.6, 230, and
5.2 nf g™.

3.2 Aqueous Chemistry

The pH of the sediment in the control and amengstems gradually increased from
~7.5to ~9.0 over the first 150 d and then decikaightly to ~8.5 by 445 d (Fig. 2). The
pH values in the biochar controls increased rafaign ~8.5 to ~9.2, then decreased
gradually to ~8.5. The pH of the AC, GRASS600, &ANUREG600 controls were
greater than for other controls, which is consistéth previous observations from a
batch study (Liu et al., 2015). Eh values for tbatmols and amended systems were
similar and decreased from ~50 to ~-420 mV in tre 126 d, then decreased slightly to
~-440 mV until the experiments were terminated2at 8. These Eh values indicate an

anaerobic environment was maintained over the ecafrthe experiment. No significant

11
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differences were observed in the values of pH a@mdrBong sediment controls, biochar
controls, and amended systerRs(Q.05).

3.3 THgin Aqueous Phase

The 0.2-pm filtered THg concentrations ranged fbfto 32 pg L* for the sediment
controls and amended systems (Fig. 3). A graduat@se in concentrations of 0.2-um
filtered THg was observed over the course of thgearment in the sediment controls and
MANUREG600-amended systems; other amended systemmgesha pattern featuring an
initial increase then slow decrease. The 0.2-um @étgentrations for the amended
systems were less than for the sediment contmotgpe for the final samples collected in
the MANUREG600-amended systems. THg concentratiotise duplicate systems
amended with OAK700 and MANUREGOO were in good agrent. THg concentrations
for the AC- and GRASS300-amended systems werefsignily lower than those for
sediment controls.

Concentrations of 0.45-pum filtered THg ranged frbfto 50 pg [* for the
sediment controls and amended systems (Fig. 3) p@md with concentrations of 0.2-
pm THg, 0.45-um THg concentrations were highlyafale during the first 100 d, with a
spike in concentration observed at 30 d for tharotsiand amended systems. A gradual
increase in THg concentrations was observed is¢ldénent controls after the initial 23
d, then THg concentrations stabilized at ~30 and Q. THg concentrations in
duplicate systems were not significantly differéridg concentrations for AC-,
GRASS300-, GRASS600-, and duplicated MANUREG00-atedrsystems were

significantly lower than those for sediment corgrafter 100 days. The decrease of THg

12



274  from the microcosm experiment was not correlateti tie specific surface area of the
275 biochars.

276 Ratios of 0.2- and 0.45-um filtered THg concentnagi were between 0.1 and 1.0
277 for sediment controls and AC, OAK700, GRASS300, &mASS600 amended systems,
278 which was expected. However, ratios were betwe2m@idd 3.9 for six sampling events
279 from MANUREG600 amended systems, which indicateseatrations of 0.2-um filtered
280 THg were higher than 0.45-um filtered THg. The ozafor ratios greater than 1.0 may
281 be due to the greater blockage of pore spacegfin filters than those in 0.2-pm

282 filters by organic matter or colloids in the aqueg@hase.

283 The effectiveness of co-blending with respect thusing aqueous 0.45-pm THg
284 concentrations was not obvious at early stages. ddfigentrations decreased by 60 to 90%
285 (mean 75%) compared with the sediment controllferAC-amended system after 30 d,
286 by 20 to 60% (mean 46%) for the OAK700-amendedesysfter 250 d, by 30 to 90%
287 (mean 69%) for the GRASS300-amended system afted 1By 20 to 70% (mean 39%)
288 for the GRASS600-amended system after 100 d, arD g 92% (mean 70%) for the
289 MANURE600-amended systems after 30 d. An increadéHg concentrations was

290 observed in the MANUREG600-amended systems afterd1d®&1g concentrations were
291 <5 ng Ltin the ultrapure water control and <50 ridih river water and biochar controls.
292 Concentrations of unfiltered THg in the sedimenttoals and amended systems
293 decreased from 400-700 ud kt the beginning of the experiment to 20-80 [{aL its
294 termination. Unfiltered concentrations were sigréfitly greater than concentrations of
295 0.2- and 0.4-um filtered THdP€0.05). Spikes of unfiltered THg concentrationsaver

296 observed with values as high as 1670 ffqat.day 37 for a sediment control, 900 iy L

13
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317

at day 100 for the AC-amended system, and 1180}t day 37 for one
MANUREG600-amended system. THg concentrations ferGRASS300-amended
system were all lower than those for the sedimentrols and other amended systems.
No significant differences of unfiltered THg cont@tions were observed among the
sediment controls and amended systems.

A previous batch experiment to evaluate Hg rembyahe same biochars used in
this study showed removal rates greater than 968 fig-spiked river water (~10y L™
within 2 d (Liu et al., 2016). The reasons for lber removals observed in this study
are likely multi-faceted but might include the félcat DOC can retain Hg in the aqueous
phase (Gomez-Eyles et al., 2013), blockage of atisorsites by sediment particles
(Mayer, 1994), competing effects for adsorptiorsirom other cations (Herrero et al.,
2005), continuous release of Hg from the sedimRetdira et al., 1998), and the
relatively high ratio of total Hg to biochar (189 THg to 5 g biochar).

In the GRASS300-amended system, the concentratidch®-um, 0.45-pum, and
unfiltered THg were less than the correspondingentrations of sediment controls and
other amended systems. These results indicate GBXSS the most promising reactive
material to stabilize Hg in contaminated sedimeardar anaerobic conditions. This
observation is different from the previous batgflesexperiment with respect to the
addition of biochar to Hg-spiked river water (Liuat., 2016), which showed the least
amount of THg removed by GRASS300 compared with @8K700, GRASS600, and

MANUREG0O.
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3.4 MeHg in aqueous phase
Two peak MeHg concentrations were observed inédasent controls and amended
systems (Fig. 3). Early peaks in concentrationsveliserved at day 37 (48 ng)land
day 47 (130 ng 1) in the duplicate sediment controls. MeHg conaitn peaks in the
amended systems were lower than those in sedimatrots for most concurrent data
points, with the exception that the peak in the &@ended system was greater than one
of the sediment controls. The concentrations atfitst peak were <13 ngifor the
OAK700-, GRASS300-, and GRASS600-amended systamis3@ ng L for the
MANUREG600-amended system. A second peak was olid@ntée duplicate sediment
controls with concentrations as high as 64 and®®B*h The second peaks in the AC-,
GRASS300-, and MANUREG600-amended systems were houwatr than those in the
sediment controls, while the second peaks in th&KTM®- and GRASS600-amended
systems were much greater with MeHg concentratié220 and 260 ng L,
respectively. However, due to sampling eventsyiater level decreased over time in the
systems, and the calculated mass of MeHg at tlendgqumeak in the OAK700- and
GRASS600-amended systems was less than that fatsthgeak of the sediment controls
(Fig. 3). MeHg concentrations of river water anddbiar controls were below the MDL.
MeHg concentrations in AC-, GRASS300-, and GRASEé&Mended systems
were significantly lower than those in sedimenttoals for the first 200 d. Ratios of
MeHg to 0.45 um-filtered THg concentrations ranffedh 0.01 to 2.6% (most < 0.1%)
for sediment controls and amended systems, an@yniicant correlation were observed
between MeHg and THg concentrations (Fig. 340.05). Ratios in estuarine waters

(Al - Madfa et al., 1994; Kannan et al., 1998) and freshve (Gill and Bruland, 1990;
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Lee and Hultberg, 1990) range from 5 to 80%, wisamuch higher than those measured
in the current study. The lower ratios in the préstudy were likely due to the elevated
THg concentrations in the solutions.

A number of parameters affect the rates of MeHglpetion, includinghe
availability of substrates for Hg methylators amanpeting organisms, temperature, pH,
organic material, redox conditions, and bioavadabt species (Ullrich et al., 2001).
Correlation analyses were performed between Mekgemrations and other parameters
measured during the experiment, including pH, Btglaity, THg, cations, anions, DOC,
UV 254, SUVAs4 and nutrients. Aqueous MeHg concentrations wegatively
correlated with SG concentrations in all systems. MeHg concentrativee
consistently positively correlated with unfilteréfig (Fig. 3) in sediment controls. For
most amended systems, MeHg concentrations weragvabgicorrelated with
concentrations of unfiltered THg, alkalinity, DOKIn, and Fe. Alkalinity and DOC are
carbon energy sources for microbes, including Hthgiators. Fe, Mn, and SO are
electron acceptors for FeRB and SRB, which arenpiadleHg methylators (Benoit et al.,
2001; Gilmour et al., 1992; Kerin et al., 2006; &al., 2011). Additionally, aqueous
MeHg concentrations can also be influenced by to@mtng to the solid phase,
demethylation reactions, and other parameters (Benal., 2003; Ortiz et al., 2015).
3.5MeHgin solid phase
The solid-phase MeHg content ranged from 8 to 3§ iy the sediment controls and
AC-amended systems, one of the OAK700 duplicatess aaMANUREG00 duplicate
(Fig. 4). The MeHg contents in the amended systgere not significantly different

from sediment controls, and contents in the OAK7BRASS300-, and GRASS600-
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amended systems were even greater than the sedior@ntls at later sampling events.
A sharp increase of MeHg content was observedcioiast two sampling events in an
OAK700 duplicate, the GRASS300-amended system{tesmGRASS600-amended
system to values of up to 260 ri§ Jhe elevated MeHg content of the OAK700- and
GRASS600-amended systems corresponds to the elea@giieous MeHg concentrations
(Fig. 3).

These results indicate the application of AC amatibar does not result in an
obvious decrease in MeHg content in the solid phasigke the aqueous MeHg
concentration. This observation is consistent wittvious studies (Huntington et al.,
2015; Lewis et al., 2016), that suggest the apipdinaof AC results in the sorption of
MeHg to AC thereby decreasing aqueous MeHg conaions. Shu et al. (2016) and
Zhang et al. (2018) also report an increase of Mestdent in paddy soils after the
addition of biochars. Gomez-Eyles et al. (2013erbed a decrease in aqueous MeHg
concentrations in AC and biochar amended systehatnbuted this decrease to
sorption rather than inhibition of MeHg productidtowever, Bussan et al. (2016) report
a decrease in MeHg content in sediment after théiad of biochar or AC, and attribute
this decrease to a decrease in Hg bioavailabitigr éhe addition of biochar or AC. This
inconsistency is likely due to differences in expental conditions, including soil or
sediment type, biochar composition and other par@meuch as pH, Eh, organic matter
content and availabilities of electron acceptochsas F& and SG°.

Distribution coefficientsky) were calculated using measured concentrations of
MeHg in the solid and aqueous phases at diffenerstduring the experiment (Fig. 5).

Kq values ranged from 200 to 18000 Lfand no clear patterns were observed versus
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time. This result indicates thKt is not likely a proper parameter to describe the
distribution of MeHg between the solid and aqueaaheses in this study, which is
inconsistent with a previous study (Gomez-Eylesl €22013). Therefore, the distribution
of MeHg between the solid and agueous phases iprédsent study was likely controlled
by other processes.

3.6 Carbon Sourcesfor Microbes

Acetate, formate, propionate, DOC, and alkalinity potential carbon sources for
microorganisms. Concentrations of acetate, fornpatgionate, and alkalinity increased
and then decreased in sediment controls and ameiydezins over the course of the
experiment (Fig. 6). The DOC concentrations in nsystems continued to increase, with
the exception of a spike in the AC-amended system.

A peak in acetate concentration was observed in gggtem, with concentrations
of up to 41 mg L* for sediment controls and ranging from 21 mbfar the OAK700-
amended system to 226 mg for the AC-amended system. The peak occurredyat da
168 for the sediment controls and ranged from d&tth 387 for the amended systems.
No great difference in acetate concentrations wakeat between the sediment controls
and amended systems, with the exception of theespithe AC-amended system.
Acetate concentrations were <1 mgfor most biochar control data points; the
exception was the spike in concentrations for A@ @RASS300-amended systems
(5.0-89 mg [Y). Elevated formate and propionate concentratiozr®\walso observed in
the sediment controls and amended systems. Sitrelails were observed for
concentrations of acetate, formate, and propiomieept peak concentrations of formate

and propionate were much lower than those of azetat
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DOC concentrations increased from 2 to 80 riddr the sediment controls and
amended systems, except for a spike (340 MgrLthe AC-amended system that
corresponded to peak acetate and alkalinity coragoms. The increasing trend with
time was observed in both the sediment controlsaameinded systems, while the
concentrations of DOC in the AC- and MANUREG600-adeshsystems were lower than
those of sediment controls. The DOC concentratiotsochar controls were less than 2
mg L™ before day 154 and increased to as high as 400 g

Concentrations of organic acids and DOC in the ogiasm experiments were
much greater than in a previous batch experimanguble same biochars (Table 1; Liu
et al. (2015)). The results indicate the organidsaand DOC released by biochars have
limited contributions to concentrations in the mmpsm experiment. The increase in
organic acids and DOC concentrations in the misotexperiments is likely related to
the organic matter in the sediment (17 600 i g

Alkalinity increased from ~50 to ~200 mg'lbefore day 100 and then decreased
to ~50 mg L* at day 445 in both the sediment controls and aeessgistems. The
alkalinity concentrations of biochar controls variightly between 50 and 100 md.L
The increase in alkalinity in sediment controls aniended systems is likely a result of
microbial activity by utilizing the organic matt&t7 600 pg g) from the sediment. The
decrease in alkalinity is likely due to consumptignmethanogens or the formation of
carbonate minerals.

The absorption of UM, is generally greatest for aromatic molecules €3gtein
et al., 1974; Weishaar et al., 2003). SWVAS defined as the Uy, measured in th

divided by the concentration of DOC in mg [Weishaar et al., 2003) and is a surrogate
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measure for the aromaticity of DOC. The absorbari¢¢V,s4increased from 0 to ~2.8
cm’ in the sediment controls and OAK700-, GRASS30(RASS600-, and
MANUREG600-amended systems, and the increasing ifreatisorbance was consistent
with the increasing trend of DOC concentrationg (Bj). The absorbance in the AC-
amended system (up to 0.5¢nwas significantly lower than for the sediment rots
and other amended systems. SU¥Avalues varied by only ~3 L rifgm* in the
sediment controls and OAK700-, GRASS300-, GRASS6&0d MANUREG600-
amended systems over the course of the experittese consistent SUbA, values
indicate the aromaticity of the DOM did not greathyange over the course of the
experiment. SUVAs4 values in the AC-amended system decreased frono 4% low as
0.1 L mg" m™. The results indicate the aromaticity of the DQMte AC-amended
system was significantly lower than in the sedin@ttrols and other amended systems.
No significant correlations were observed betwedN &5, and Hg species, including
0.2- and 0.45-pum filtered THg and 0.45-pum filtehdeHg.

DOC plays an important role in Hg speciation in élggieous phase. Lower DOC
concentrations were observed in the AC- and MANUBE&mMended systems than in the
sediment controls, which corresponded to lower agsid Hg concentrations in the AC-
and MANURE600-amended systems compared with sediooatrols at early stages
(Fig. 3). For the OAK700-, GRASS300-, and GRASS&dtended systems, DOC
concentrations were similar or higher than thosénsediment controls at early stages
and THg concentrations were less than the sediowentols after extended periods.
These observations are consistent with previoudieg(Gilmour et al., 2013; Gomez-

Eyles et al., 2013) in which aqueous inorganic Hg wontrolled in sediments and
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reactive media (AC and biochar) co-blending experita when DOC concentrations
remained low. Hg-DOC complexes readily form in siolo. These complexes are stable
and can maintain elevated concentrations of Hhenagueous phase (Gomez-Eyles et al.,
2013). The presence of DOC can also prevent tr@pietion of HgS nanoparticles
(Aiken et al., 2011). DOC can also be utilized asdoon source by potential Hg
methylators and can enhance the bioavailabilitdgby facilitating Hg uptake for
potential methylators (Chiasson-Gould et al., 2014)

3.7 Electron Acceptorsfor Microbes

Concentrations of N© Mn, Fe, and S§ are plotted in Fig. 7 in decreasing order of
energetically favourable electron-accepting reactiimr microbial respiration. NO
concentrations decreased from ~45 rifgtd. <MDL (0.05 mg [*) within 9 d for the
sediment controls and amended systems. Dissolvedadcentrations increased from
<0.005 to ~1.2 mg t within 65 d and decreased to <0.2 mydfter 154 d in the
sediment controls and amended systems. A lag sfatjssolved Fe concentrations (<0.2
mg L") was observed for the first 23 d in the sedimemtols and amended systems; Fe
concentrations then increased to peak concentsatanging from 0.47 to 3.5 mg'lat

day 100 and then decreased to <0.2 M@fter 154 d. Dissolved Fe concentrations in the
AC-amended system were lower than in the sedinanttas and other amended
systems. S@ concentrations increased slightly at the firsti3sd then decreased to
<MDL (0.05 mg L) after 79 d for the sediment controls, 65 d far GBRASS300-
amended system, 89 d for the OAK700-amended sy4i@dng for the AC- and

GRASS600-amended systems, and 126 d for the MANWREBNended system. Due to
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the rapid shift to anaerobic conditions (Fig. B teduction of Fe and $Ooccurred
simultaneously.

Concentrations of N©, Mn, and Fe in the aqueous solution of the amended
systems were derived from the sediment, becaugentbie elevated in the sediment
solids and generally less than the analytical dietedimits in the aqueous phase of
biochar controls (Fig. 7), the river water, and sloéd phase biochars (Table 1). For
biochar and river water controls, N@oncentrations decreased from ~2 nigta
<MDL; Mn concentrations were <0.05 mg Lexcept one data point from the
GRASS300 control; and Fe concentrations were <@§2>. A fraction of the SGF in
the aqueous solution of the amended systems weesesl from the biochars. The initial
SO, concentrations of the biochar controls, which odauhe order MANUREG0O >
AC > GRASS600 > GRASS300 > OAK700, is consisterth\ai previous batch-style
experiment (Liu et al., 2016). The $Cconcentrations of biochar controls decreased
slightly over 445 d, which indicates suitable sudsts for the growth of SRB were not
likely provided by the biochar. The elevated,$©@oncentration in the MANUREG0O-
amended system is likely due to the elevated Seobaind inorganic sulfate fraction in
this system (Liu et al., 2016). The concentratioh§lOs’, Mn, Fe, and Sg" in aqueous
phase were affected by their contents in sedimahbéochar and also the partitioning
among phases.

Concentrations of S@ in the GRASS300-amended system decreased fastest
among all the amended systems. This decrease naydselt of the greater fraction of
labile organic carbon in GRASS300. Previous stubdage shown that low-temperature

biochars have organic carbon that is more labifepared to high-temperature biochar
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(Bruun et al., 2011; Cross and Sohi, 2011). Théseted concentrations of labile
organic carbon can promote SRB activity. The rafgidrease in S& for GRASS300 is
associate with an early decrease in THg. This renoould be due to the formation of
Hg-S minerals, causing a decrease in Hg bioavéilglpossibly explaining the lower
agueous MeHg concentrations observed in the GRAGS8&nded system.

The increase in 0.4pm filtered THg concentrations after 23 d corresgotadthe
increase in dissolved total Fe concentrations, wmdicates Fe(ll) is likely released due
to the reduction of Fe(lll) minerals together wattisorbed Hg. The decrease in -
filtered THg in the amended systems was likely tuthe formation of Hg-sulfide
precipitates as a result of $Oreduction. The maximum decreases in Fe ang SO
concentrations corresponded to the first peak iRyl the sediment controls and
amended systems; Fe concentrations were positeetglated with MeHg
concentrationsR<0.05) in the AC- and MANUREG600-amended systems.

Previous batch experiments indicate elevated cdrat@ns of organic acids,
DOC (Liu et al., 2015), and SO(Liu et al., 2016) are released by AC, GRASS30d, a
MANUREG00, suggesting the addition of biochars mgfimulate MeHg production.
However, the microcosm experiments indicate thatllyleoncentrations minimally
increased in the presence of these biochars gt&ades.

3.8 Nutrientsin the aqueous phase

Nutrients are essential for the growth and actigitynicrobes. Similar trends were
observed for NBN and PQ-P in sediment controls and amended systems (Figh&
concentrations of NgIN and PQ-P in sediment controls increased from <MDL to ~6

and 4.5 mg L}, respectively. Concentrations of NN and PQ-P were lower in AC-,
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OAK700-, GRASS300-, and GRASS600-amended systeamsithsediment controls.
NHs-N and PQ-P concentrations in MANUREG600-amended systems Wwigitger than in
sediment controls, likely due to the elevated eutrcontent in the manure (Table 1).
Nutrient concentrations were typically lower in &@f@r controls than sediment controls
and amended systems, which indicates the nutregigmated from the sediment.
Concentrations of NgIN and PQ-P were positively correlated with DOC concentnasio
in sediment controls and each amended system.obBervation indicates the increase of
nutrient concentrations is likely due to the degtamh of N- and P-containing organic
matter in the sediment. Nutrient concentrationsavigpically lower in biochar controls
than sediment controls and amended systems, winilitaites the nutrients originated
from the sediment.

3.9 Pyrosequencing

The percentages of fermenters, FeRB, SRB, and megleas at the genus level were
extracted from the pyrosequencing data and platt€dg. 9. The sum of the percentages
for all categories increased with time. Similarrgasing and then decreasing patterns
were observed over time for fermenters, FeRB, &, ®ut abundances ranged from
4.9 to 25%, 4.8 to 20%, and 0.8 to 3.5%, respdgtivermenters were present in
moderate numbers over the course of the experirB&B. were consistently in low
abundance during the experiment, likely due tdakeinitial concentration of sulfate.
The percentage of methanogens consistently inateass time from 0% to as high as
70%. Percentages of extracted 16s rRNA in the datgdd OAK700- and MANUREG00-
amended systems were in good agreement. The spaitgarns between sediment

controls and amended systems suggest the addftlmnahars had little impact on the
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microbial community. This observation is consist&ith previous studies (Kelly et al.,
2014; Noyce et al., 2015) in which the microbiatncounities were not affected after the
addition of biochar.

Under sufficiently reducing conditions, fermentarsl other microorganisms can
degrade organic matter (OM) in sediment to form D&»@ short-chain OA, as indicated
by Equ. 1. Oxidation of organic carbon (17 @0g") in the South River sediment might
explain the changes in DOC and short-chain orgait concentrations in solution (Fig.
6). The labile organic carbon forms within DOC key carbon and energy sources for
nitrate-reducing bacteria (Hagman et al., 2008RB-@_ovley, 1991), SRB (Muyzer and
Stams, 2008), and methanogens (Deppenmeier, 2802many of FeRB, SRB, and
methanogens are potential Hg methylators. The aserén alkalinity during early stages
of the experiments might be due to the respiradioiermenters, nitrate-reducing bacteria,
FeRB, and SRB (Equs. 1-4). Nitrate-reducing bagteain reduce nitrate to other forms
of N (complete process indicated by Equ. 2). BeedN®; concentrations were <MDL
at 7 d and the first sample for pyrosequencingyaigivas collected at 65 d, nitrate-
reducing bacteria were not extracted from the mgaencing results. The FeRB can
reduce oxidized solid-phase forms of Mn and Feratehse reduced aqueous forms (Fig.
7; Equ. 3) (Ribet et al. (1995)). The SRB can red86* to $ (Equ. 4) (Moncur et al.
(2015) Lindsay et al. (2011)); the production 6fc&n then be consumed by the
formation of Fe- (Equ. 5) (Benner et al. (2002) &tgdsulfide minerals (Equ. 6). The
formation of these minerals explains the decreaskssolved Hg and Fe over time (Figs.

3, 7). Methanogens can utilize carbon sourcesidiey inorganic carbon, formate, and
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acetate (Deppenmeier, 2002), as energy sources {Eq@nd the increase in methanogen

abundance corresponds to the decrease in alka(iigy 6).

OMs) » DOC + OA + HCO3 Equ. 1
4NO3 + 5CH,0 = 2N, + 5HCO3 + 2H,0 + H* Equ. 2
4Fe(0O0OH) + CH,0 + 7HY = 4Fe?* + HCO3 + 6H,0 Equ. 3
S0%™ + 2CH,0 = HS™ + 2HCO; + H* Equ. 4
Fe** + HS™ = FeSiy + H* (Ed
Hg** + HS™ = HgS, + H* Edu.
€O, + 4H, = CH, + 2H,0 [Eq

Twelve potential methylators at the species |ewesle obtained from the
pyrosequencing results, including fermenters, FER®B, and methanogens (Fig. 10).
Their total abundance was <0.7%. A general incnggand decreasing pattern of the
total abundance of potential methylators is evid€ig. 10). The abundance of the
potential methylators is not well correlated witncentrations of MeHg in the aqueous
and solid phases, which indicates that quantificatif known potential methylator
abundances might not be a good indicator for neétddyleoncentration in aqueous and
solid phases. The late MeHg spikes in the OAK70@ @RASS600-amended systems
do not correspond with a spike in the known potmtiethylators at day 387, which
suggests unknown methylators likely existed in¢h®@g systems. This discrepancy
might also be a result of the limitation of theatsise used for pyrosequencing data
analysis. A large fraction of the microorganismshia environment is not represented in
the database (Rondon et al., 1999).

Column experiments conducted by Desrochers e2@15) and Paulson et al.
(2016) show that MeHg production in the South Reedliment could be stimulated by

increasing the concentrations of electron donodsaaceptors at a proper ratio. Here, less
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MeHg was observed in the aqueous phase in the adeydtems using AC, GRASS300,
and MANUREG600 than for sediment controls even slightly elevated carbon sources,
electron acceptor (S0), and percentages of methylators in the amendsessg.

The following processes are proposed to deschibel¢crease of Hg and MeHg
in the aqueous phase after addition of the amentmEinst, a rapid release of dissolved
Hg from the sediment and rapid adsorption by biczbacurs. Hg concentrations do not
decrease due to continuous dissolution of solulgi@ithses and because binding
between Hg and biochar is generally weak; rapictdtreduction also happens in this
stage. The second stage is a Fe-reducing periocetdimed in Fe-oxide minerals is
released into solution after reductive dissolutbifre-oxide minerals. Hg is weakly
adsorbed by biochars and MeHg is produced by Fé&Br{ et al., 2006; Yu et al.,
2011). The third stage is a sulfate reducing pe&dfate is reduced to sulfide, and Hg
binds with sulfide and forms Hg-S precipitates lo@ $surface or inside the pores of
biochar particles (Liu et al., 2017). The formeatysorbed Hg might also be converted to
Hg-S minerals (Liu et al., 2017). The binding betwéig and the biochar particles is
strong, and less MeHg is produced by SRB (Benat.eP001; Gilmour et al., 1992) due
to the low bioavailability of Hg after stabilizatidoy the biochars. The fourth stage is a
methanogenic period. MeHg is produced by metharofjdamelin et al., 2011; Yu et al.,
2013). The early MeHg concentration peaks in theeags phase are attributed to the
activity of fermenters, FeRB, and SRB and the fetaks are attributed to the activity of
methanogens. Methanogens capable of methylatietyléxisted in the OAK700- and

GRASS600-amended systems.
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4 Conclusion

These microcosm experiments indicate that biochsraled systems can be effective in
reducing Hg concentrations in the aqueous phasepidsence of biochar appears to
have a limited impact on microbial community sturet The removal of Hg using
biochars is comparable to that achieved by theiegimn of AC. A late MeHg
concentration spike occurred in the OAK700- and GRBB00-amended systems. But, for
the majority of the biochar types evaluated, Hg BietHg concentrations in the aqueous
phase (and potentially the bioavailability) tendlexrease after biochar amendment. The
stabilization of Hg is attributed to the formatiohHg-sulfide minerals and precipitation
on or within biochar particles.

The results indicate GRASS300 is the most promisactive material for Hg
stabilization of contaminated sediment. If GRASS&08pplied in the field, special
attention should be paid to its physical breakd¢8pokas et al., 2014). During the
experiment, GRASS300 was observed to be more & #ggin wood-derived biochars.

For the application of most types of biochar inevdiodies, another challenge is how to
maintain the biochar in the desired locations duiéstlow density and settling rate
(Gomez-Eyles et al., 2013). During sampling eveminy biochar particles were
observed at the interface between the aqueousadiddpbase and biochar particles could
be easily relocated by the movement of the wateis problem could be addressed by
encasing the biochar particles using geotextil@¢gley et al., 2016) before field
applications.

This study indicates that the physical and chehpicaperties affect the potential
for biochar to control Hg concentrations and indoehylation when used as a sediment

amendment. Other properties that may also influéimeeffectiveness of biochar as an
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amendment include the volatile (labile) versusdixarbon content, ash content, mineral
content, calcium carbon equivalent, pore sizeidigtion, and S speciation and
distribution. Measurement of these parameters cassst in further interpretation of the
results.

At the termination of the experiment, biochar jgéet were easily distinguished
from the sediment, which indicates the biochar iesdhstable over the course of the
experiment. This observation is consistent withvignes studies that indicate biochar can
be stable in the environment (Mann, 2002; Spokd$0R The Hg that accumulated in
the biochar through this process is expected t@amestable for a prolonged period.
Further, this process can also be extended tocttieraulation of other hazardous metal

elements.
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Table 1. Properties, elemental composition, anebsedd component from activated
carbon (AC), Cowboy Charcoal (OAK700), low-T (GRAT®) and high-T (GRASS600)
switchgrass, and high-T poultry manure (MANUREGDBi@chars

Element AC OAK700 GRASS360 GRASS600 MANUREG600
Specific surface arear g* 600 65 2.6 230 5.2

C, % 98.0+0.8 99.9+0.6 70.2+1.7 94.5+1.4 18.5+1.4
S, % 0.18+0.01 <0.01 0.10%0.01  0.55+0.02  0.48%0.02
Ag, ug ¢* <0.01 <0.01 0.06 0.87 0.16
Al, pg g* 1400 45 160 240 14000
Ar, pg g* <05 <05 <05 <05 1.9

Ba, ug ¢ 59 67 22 37 200

Be, ug ¢ 0.09 0.02 <0.02 <0.02 0.60
Bi, ug g* <0.09 <0.09 <0.09 <0.09 <0.09
Ca,ug ¢ 7200 2900 9200 14000 44000
Cd, ug g <0.02 <0.02 0.03 <0.02 1.2
Co, pug ¢ 0.51 0.63 0.16 0.21 3.5

Cr, ug g 4.3 1.2 3.4 5.4 27

Cu, pg ¢ 9.1 4.5 7.2 12 34

Fe, ug ¢ 1700 13 2100 1700 10000
K, ug g* 910 2600 9300 11000 28000
Li, ug g* <2 <2 <2 <2 9

Mg, ug ¢* 4200 690 2100 3500 7700
Mn, ug ¢* 110 120 210 260 250
Mo, pg g 0.4 <0.1 0.2 0.4 7.1

Na, ug ¢ 910 5.2 18 29 17000
Ni, ug g* 1.7 2.7 0.6 1.2 8.4
P,ug g 890 110 930 1600 14000
Pb, ug ¢ 0.08 1.2 0.47 1.2 140
Sh, ug ¢ <0.8 <0.8 <0.8 <0.8 <0.8
Se, pg ¢ 1.4 <0.7 <0.7 <0.7 1.7

Sn, ug ¢ 0.6 <0.5 7.0 130 4.5
Sr,ug ¢ 60 17 18 30 180

Ti, ug g* 98 1.5 11 27 1800
TI, ug g* <0.02 <0.02 <0.02 <0.02 0.12
U, ug ¢* 0.19 0.006 0.008 0.012 1.2

V, ug g* 10 <1 <1 <1 21

Y, ug g* 0.69 0.39 0.38 0.39 7.6
Zn, ug g 1.8 7.8 23 35 330
pHP 10 8.0 8.4 9.9 11
Alkalinity®, mg g* 4.4 5.3 7.7 11.3 6.6
OA®, mg ¢* 0.03 0.05 0.14 0.11 0.11
DOC’, mg g 0.11 0.41 0.98 0.16 <0.003

@data from Liu et al. (2017)

P bH value measured in river water reacted with héwdor 48 hr using a 1:75 biochar to
water mass ratio as reported in Liu et al. (20@8)er values obtained similarly but
expressed per g biochar
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OAK700, low-T and high-T switchgrass, and poultrgmare) vs. time. Sediment control
and low-T and high-T switchgrass biochar data emefLiu et al. (2017). Note: change
in y-axis scale for different subplots.
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Figure 6. Concentrations of carbon sources (acdtataate, propionate, DOC, and
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control and amended systems vs. time. Sedimentai@rtd low-T and high-T
switchgrass biochar data are from Liu et al. (2017)
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Figure 7. Concentrations of electron acceptorsgN@n, Fe, and S in redox
sequence) in aqueous solutions of control and aetesgstems vs. time. Fe and SO
concentrations of sediment control and low-T argh¥i switchgrass biochar data are
from Liu et al. (2017).
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Figure 8. Concentrations of nutrients (NN and PQ-P) in aqueous solutions of control
and amended systems vs. time.
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Figure 9. Pyrosequencing results as percentaggesnis level, including fermenters,
FeRB, SRB, and methanogens of sediment contro&etidated carbon, OAK700
(duplicate), low-T and high-T switchgrass bioctarg poultry manure biochar (duplicate)
amended systems. For each sample, columns frotoleght represent days 0, 65, 100,
154, 235, and 387, respectively. Sediment contrdllaw-T and high-T switchgrass
biochar data are from Liu et al. (2017).
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Figure 10. Percentages of species identified awRkrtég methylators, including SRB,
FeRB, methanogen, and fermentative bacteria, fterdnt days from sediment control
and amended systems. For each sample, columnddfoto right represent day 0, 65,
100, 154, 235, and 387, respectively. Sedimentrabahd low-T and high-T switchgrass
biochar data are from Liu et al. (2017).



Total Hg isunder control using biochar after certain period
MeHg concentration in amended systems is generally lower than in sediment control
MeHg change corresponds to onset of Fe and SO,* reduction and methanogenic stages

Switchgrass biochar pyrolyzed at 300°C is the most promising reactive medium



