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Abstract

There is sparse information on reactive solute transport in peat; yet, with increasing development of
peatland dominated landscapes, purposeful and accidental contaminant releases will occur, so it is
important to assess their mobility. Previous experiments with peat have only evaluated single-
component solutions, such that no information exists on solute transport of potentially competitively
adsorbing ions to the peat matrix. Additionally, recent studies suggest chloride (CI") might not be
conservative in peat, as assumed by many past peat solute transport studies. Based on measured and
modelled adsorption isotherms, this study illustrates concentration dependent adsorption of CI to peat
occurred in equilibrium adsorption batch (EAB) experiments, which could be described with a Sips
isotherm. However, CI adsorption was insignificant for low concentrations (<500 mg L™) as used in
breakthrough curve experiments (BTC). We found that competitive adsorption of Na*, K, and NH,"
transport could be observed in EAB and BTC, depending on the dissolved ion species present. Na*
followed a Langmuir isotherm, K" a linear isotherm within the tested concentration range (~10 — 1500
mg L), while the results for NH," are inconclusive due to potential microbial degradation. Only Na*
showed clear evidence of competitive behaviour, with an order of magnitude decrease in maximum
adsorption capacity in the presence of NH," (0.22 to 0.02 mol kg™), which was confirmed by the BTC
data where the Na" retardation coefficient differed between the experiments with different cations.

Thus, solute mobility in peatlands is affected by competitive adsorption.

Keywords: reactive solute transport; anion adsorption; peat; breakthrough curve; nutrients; pH



1.0 Introduction

Large swaths of Canada’s boreal, sub-arctic and arctic are dominated by organic soils, such as peat
(Tarnocai et al., 2011), where increasing industrial development has enhanced the risk of
contamination. Following controlled releases of contaminants, such as wastewater treatment wetlands,
or accidental spills, a fundamental understanding of the processes governing solute transport is
required to properly predict, mediate, and remediate contaminant plumes. However, critical knowledge
gaps still remain in understanding solute transport in peat soils. For instance, only one field-scale
study on reactive nutrient transport, such as sodium (Na"), nitrate (NO3’), and ammonium (NH,"),
exists (McCarter et al., 2017), and few laboratory-scale experiments (Kleimeier et al., 2014;
Rezanezhad et al., 2012; Simhayov et al., 2018; Tiemeyer et al., 2017). The bulk of our understanding
has been derived from studies on bog peat (Hoag and Price, 1997; Ours et al., 1997; Rosa and
Larocque, 2008), degraded peat (Boudreau et al., 2009; Caron et al., 2015; Kleimeier et al., 2017; Liu
et al., 2016; Rezanezhad et al., 2012; Tiemeyer et al., 2017), and more recently on undegraded fen peat
(Kleimeier et al., 2017; Liu et al., 2017). These different peat soils can have different pore structures
(Malmer et al., 2003) that cause both macropore and matrix flow (Weber et al., 2017b), potentially
resulting in differing transport processes governing the movement of reactive solutes. Furthermore,
monovalent cations, such as Na* or potassium (K*), affect both the physical and geochemical
conditions; potentially, resulting in changes to the transport and adsorption processes of other solutes.
Sodium Chloride has been observed to both increase or decrease saturated hydraulic conductivity
(Ksap), which has been attributed to pore dilation (Kettridge and Binley, 2010; Ours et al., 1997) or
flocculation (Hoag and Price, 1997; Kettridge and Binley, 2010), respectively. These changes were
attributed to changes in the ionic strength of the solution; thus, K* or other dissolved salts may have a
similar effect. Furthermore, both Na* and K" can enhance the release of dissolved organic matter
(Marschner and Kalbitz, 2003; Murphy et al., 1994), which potentially can mobilize bound

contaminants (e.g., mercury) (Liao et al., 2009). The lack of clear understanding of the processes



governing the transport of multiple reactive solutes in peat leads to a large knowledge gap that needs

to be filled as peat dominated landscapes come under increased development.

In many organic media transport studies, chloride (CI'), or other monovalent anions, have been used as
a conservative tracer; yet, recently the conservative nature of CI" has been questioned (Caron et al.,
2015). Indeed, Boudreau et al. (2009) observed bromide adsorption in both evaporation driven solute
transport experiments and equilibrium adsorption batch experiments using peat-based organic
horticultural potting media. However, Boudreau et al. (2009) assumed single porosity without
investigating whether the peat-based organic potting media in fact reveals a single or dual porosity
structure; yet, peat soils are commonly characterized as a dual (Rezanezhad et al., 2016) or even multi
(Weber et al., 2017b) porosity substrate. Furthermore, at the field scale, both sodium chloride (Hoag
and Price, 1995) and Na* (Ferlatte et al., 2015) have been used as tracers to determine physical or
transport properties of peat and peatlands. Electrical conductivity (EC) has also been used as proxy
measurement for Na* and CI concentration (although it responds to all electrolytes in the solution) and
may be misleading due to the reactivity of Na* and exchange with H* (Simhayov et al., 2018). From
batch experiments on degraded fen peat, Rezanezhad et al. (2012) illustrated that Na* adsorption and
desorption followed a reversible linear isotherm, and that equilibrium was established nearly
instantaneously. However, in the presence of other cations, conservative (i.e., non-reactive) transport
of Na" may occur, as assumed by Ferlatte et al. (2015), but this process has not been confirmed in peat
or peatlands. Additionally, cations, such as Na* and K* (a common agricultural amendment along with
nitrate or NH,"), may decrease the retardation of other cations through competitive adsorption
processes, such as those identified for divalent metals (Ho and McKay, 1999; Ho et al., 2002).
However, so far there has neither been a study on competitive adsorption of monovalent cations in

peat soils, nor the subsequent effect on transport processes.

Peatlands are typically nutrient limited (Basiliko et al., 2006; Campbell and Bergeron, 2012; Wendel

etal., 2011; Xing et al., 2011), resulting in low, if any concentrations of measurable NH,". However,



with increasing development pressures, peatlands are more commonly being used as domestic
wastewater treatment or polishing wetlands (Heikkinen et al., 1995; Kadlec, 2009; McCarter et al.,
2017; Ronkanen and Klove, 2009); NH," can be acommon constituent of domestic wastewater
(Kadlec and Wallace, 2009). Unlike Na* and K*, NH," is both geochemically and biologically reactive
in peatlands and peat soils (Kadlec, 2009; McCarter et al., 2017; Ronkanen and Klove, 2009; Yates et
al., 2012). Commonly, NH," is analysed as total nitrogen (NO5 and NH,") (Kadlec, 2009; Ronkanen
and Klove, 2009). Only McCarter et al. (2017) reported the transport rates and treatment efficiencies
of NH," compared to other wastewater constituents, whereas both Kadlec (2009) and Ronkanen and
Klove (2009) reported reaction rates and treatment efficiencies; not transport rates. In either case,
under wastewater polishing conditions, peatlands readily remove NH," from the pore water through
biogeochemical processes, likely ammonium oxidation followed by denitrification (Kleimeier et al.,
2017; Rezanezhad et al., 2017) or anaerobic ammonium oxidation (Hu et al., 2011) depending on the
redox conditions. Similar to Na"and K*, NH," may affect the transport of other cations through
competitive adsorption processes; however, there remains limited information on the transport of NH,"

in peat and the effect the presence of NH," has on the transport of other cations.

Understanding the interactions of dissolved cations with peat is critical to predicting solute transport in
northern ecosystems under increasing developmental and agricultural pressures, in particular
increasing nutrient inputs. However, much of the current work on reactive transport is based on
chloride (CI") or bromide (Br’) as tracers, assuming these anions are not biogeochemically reactive and
are truly conservative tracers. Recently this assumption has been questioned (Caron et al., 2015) but
no conclusive evidence has been presented. Given the lack of knowledge on competitive adsorption of
Na*, K*, and NH," and its potential effect on solute transport, and compounded with the possibility of
CI adsorption to peat, the objectives of this study are to 1) investigate the validity of the assumption
that CI' may be considered as a conservative tracer in peat, 2) determine the effect multiple solutes
(Na*, K*, and NH,") have on equilibrium adsorption to peat, and 3) identify the effect of competitive

adsorption on cation transport processes in peat.



2.0 Material and Methods

Peat samples were taken from a typical ladder fen in the James Bay Lowland (52°47°01 N, 83°53°12
W) near the DeBeers Victor Diamond Mine (McCarter et al., 2017; McCarter and Price, 2017a;
McCarter and Price, 2017b). A sampling area of ~2 m? was identified in a low-lying preferential flow
path, where ground vegetation was dominated by graminoid species and Sphagnum mosses and the
water table was typically within 15 cm of the ground surface throughout the growing season
(MccCarter and Price, 2017a). The peat primarily consisted of light to moderately decomposed
graminoid and Sphagnum species, with von Post (1926) decomposition levels between H2 and H4. In
ladder fens, the highly non-linear transmissivity distribution within the peat results in the majority of
water and solute movement to occur within the upper few centimetres of the ground surface (McCarter
and Price, 2017a; McCarter and Price, 2017b). To capture the highly permeable upper peat layers, the
upper 15 cm of peat was targeted for sampling. Large peat blocks ~20 x 20 x 20 cm were extracted by
hand, and a cylindrical PVC pipe (10.2 cm i.d., 15 cm i.h) was used as a guide to carefully sub-section
the peat block to the desired size, parallel to the direction of water flow. The samples (n=19 cores)
were then individually wrapped in plastic wrap, while in the PVC pipe, and stored in a cooler for
transport back to the University of Waterloo Wetlands Hydrology Laboratory for experimentation.
Once at the Wetlands Hydrology Laboratory, the samples were further drained and frozen for sample
preparation. The cores were randomly divided into 2 groups, the first group (3 cores) were used for
equilibrium adsorption experiments, while the second group (16 cores) was chosen for the

Breakthrough Curve (BTC) experiments. All experiments were performed at 20 + 2 °C.

2.1 Equilibrium adsorption experiments



Group 1 peat (3 cores) was rinsed with Type Il Ultra-Pure water and air dried until a low constant
water content was reached (~0.2-0.3 cm® cm™). Roots or other woody debris were separated from the
peat and the remaining peat material from each core was individually homogenised. Each of the
homogenised cores represents one replicate; thus, for all equilibrium adsorption data three replicates
exist. The peat from each core was then divided into 5 g samples (n=40 per core, n=120 total) and

placed in sterile 50 mL polypropylene centrifuge tubes.

Equilibrium adsorption was determined for single (Na*, K*, NH,", and CI’), dual-component (Na*-K",
Na‘- NH,", and NH,"-K"), and triple-component (Na*-K*- NH,") mixtures at equal solution ionic
strengths. None of the solutions were pH buffered to enable an assessment on the adsorption effect
purely from the different cation compositions. The resulting pH of each solution was ~7 (Na" and K*)
and ~5.0 — 6.5 (NH,"). A total of five ionic strengths (5.5x10, 2.8x107%, 5.5x103, 2.8x107%, and
5.5x102 mol L™) were chosen for each isotherm, and dissolved chloride salts used (i.e., NaCl, KCI,
NH,CI; see Supplementary Information Table S1 for ion concentrations). Given the potential for
biological turnover of NH,", these isotherms were generated and are presented as Supplementary
Information, only. The peat (5 g) was saturated with 20 mL of the target solution and the centrifuge
tubes were capped. The centrifuge tubes were placed on a shaker table for 48 h at 40 RPM. To ensure
at least 5 mL of extractant was available for analysis, the peat was manually squished and the liquid
decanted into a 15 mL syringe. The decanted liquid was then filtered through a 0.45 um PET filter and
stored in a clean 15 mL polypropylene centrifuge tube at 4°C until 1C analysis (DIONEX ICS 3000,
lonPac AS18 and CS16 analytical columns) at the Biogeochemistry Laboratory at the University of
Waterloo. Prior to IC analysis, the pH of each extractant was measured (Orion 9107BN pH/ATC
Probe and Orion Star A324 pH/ISE Portable Multiparameter Meter). The resulting measured cation
replicates were pooled and non-linear least-squared regression was used to fit models to describe
linear, K*, (Eq. 1) and non-linear, Na®, (Langmuir, Eq. 2 & 4) adsorption isotherms and the best model
was selected based on the root mean square error (Ryse). Although competitive adsorption models do

exist (Hinz, 2001; Limousin et al., 2007; Murali and Aylmore, 1983a; Murali and Aylmore, 1983b;



Murali and Aylmore, 1983c), there remain debates within the literature on the validity of these models
(Allen and Brown, 1995; Ho and McKay, 1999; Limousin et al., 2007). However, averaged values for
each concentration were used to generate the competitive Na* Langmuir isotherms to better compare
the relative influence K* and NH," had on Na®*. Furthermore, deviations of the multi-component
solution’s maximum adsorption capacity (Q,,q,) from the single component solution can be used to
infer whether competitive adsorption occurred and the relative influence of a given cation (Allen and
Brown, 1995; Ho and McKay, 1999; Serrano et al., 2005). A Sips isotherm model, also known as a
Langmuir-Freundlich isotherm (Sips, 1948), was fitted to the measured CI' data. Equations 1-3 relate

the solid phase concentration (Q; mol kg™) to the aqueous phase concentrations (C; mol L™) through:

Q = K,C Eq. (1)
_ L;C Eq. (2
Q_Qmax1+LiC q()
B a,Cc" En. (3
Q_Qmaxl_l_ascn q()
Q=20 e @)
= P/ Eqg. (4
max 3 +Z?=1chj q

where, K is the linear partitioning coefficient (L3> M™), L, corresponds to the affinity of the i"" solute
to sorb to the peat (L M™), Q,,4, i the maximum amount able to sorb onto the peat (mol M™), a; is
the Sips isotherm constant (-), n is the Sips non-linearity coefficient (-), L; corresponds to the affinity
of solute j in competition with solute i, and C; is the aqueous concentration of j in competition with
solute i. Adsorption isotherm fitting was performed in MATLab (MATLAB, 2017b) using the

fitAdsorptionlsotherm code (Shimizu, 2014).

2.2 Breakthrough experiments



To prepare Group 2 for flow-through reactor (FTR) experiments, the ends of the frozen samples were
cut (14.1 cm) to ensure any compression or smearing from the plastic wrap was removed and the cores
were snugly inserted into acrylic pipe (10 cm i.d., 14.1 cm height) and left to thaw. The small decrease
in dimensions from the sampling to the FTR cylinders, resulted in an extremely tight fit with no
observable space between the peat and FTR cylinder wall. Once thawed, the cores were slowly
saturated from the bottom and left for 48 hours. The end-caps of the FTRs were then placed on the
submerged cores to ensure no air could enter the reactors. Each core was flushed with approximately
three pore volumes of Type Il Ultra-Pure water to ensure consistency of the pore water prior to
experimentation. Changes in the ionic strength may result in pore dilation or pore clogging (Hoag and
Price, 1997; Kettridge and Binley, 2010), which may change the hydrochemical transport within a
core during a Breakthrough Curve (BTC) experiment. To mitigate this effect, each core was flushed
with approximately 3 pore volumes of 500 mg L™ CI' (NaCl; the upper-limit to be considered
freshwater) followed by approximately six pore volumes of Type Il Ultra-Pure water to ensure
complete flushing of the NaCl. The hydraulic conductivity of each core was measured using a
modified Darcy Permeameter under steady state conditions both before and during the NaCl flush to
quantify any change in hydraulic parameters during the BT C experiments. The electrical conductivity
of each core was measured prior to BT C experiments to ensure that no NaCl remained in the pore
water prior to the beginning of the BT C experiments. For the solute BTC experiments, the cores were
then randomly assigned into 4 different treatment groups (solutes: Na*, K*, NH,", and Na* - K" -

NH,") with 4 replicates each.

The FTR was connected to two reservoirs, one containing Type Il Ultra-Pure water and another the
assigned tracer solution. Each BT C was generated using a peristaltic pump (WT600-3J, LongerPump,
China) at a constant pumping rate of 0.12 mL s™%. Initially, Type Il Ultra-Pure water was injected into
the core until a constant discharge of 0.12 mL s™ was achieved. Tracer solutions of 500 mg L™ CI' and
the molecular equivalent of any of the cation combinations were prepared using chloride salts for each

cation at pH ~6.5, the upper range of poor fens in the study region (McCarter et al., 2017). Once



constant discharge was achieved, the injection solution was instantaneously switched to the tracer
solution and the time recorded as t,. Every 15 minutes, a 50 mL sample (~ 5 % of total liquid sample
volume) was collected and dissolved CI" measured using a CI” probe (Orion 9417B CI' ISE and Orion
Star A324 pH/ISE Portable Multiparameter Meter) with a double junction reference electrode (Orion
900200 Ag/AgCI type) adjusted with an lonic Strength Adjuster (Orion 940011). Every 30 minutes, a
small 2 mL sample was decanted off the 50 mL sample for pH and cation analysis (see above). The
electrical conductivity of the 50 mL sample was measured to provide an estimate of complete (both
anion and cation) breakthrough. A dead-volume blank (Rajendran et al., 2008) was run and the
resulting corrections were made to the data prior to inverse simulation to determine the solute

transport parameters in the two region solute transport model (van Genuchten and Wagenet, 1989).

Once the BT C experiments were completed, the samples were drained to -100 mbar of pressure in a
pressure cell (Soil Moisture Equipment Corp. model 1600) and weighed prior and after drainage to
estimate the drainable porosity at -100 mbar (McCarter and Price, 2017b; Weber et al., 2017a).
McCarter and Price (2017b) and Weber et al. (2017a) argue based on physical considerations to use
this value in determining the active porosity of Sphagnhum peat, allowing for an estimation of the
effective porosity. The samples were then dried and the bulk density and porosity (assuming a particle

density of 1.4, Redding and Devito (2006)) were determined.

2.3 Solute transport model

Assuming one dimensional steady state water flow in a homogeneous medium, the two-region (also
mobile-immobile model; van Genuchten and Wagenet (1989)) is given in its dimensionless form as

(Toride etal., 1993):
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where c,,, [-] and c¢;,,, [-] are the normalized solute concentration of the mobile and immobile phase,
respectively, p (T is afirst order decay coefficient applied to the entire pore domain, dimensionless
Z and T are space and time variables, P is the Peclet Number, and R, §, and w are adjustable model

parameters, which are given by the following well known equations (Toride et al., 1995),

P = v,,L/Dy, Eq. (5a)
T =v,t/L Eq. (5b)
Z=x/L Eq. (5¢)
w = aL(8v,,) Eq. (5d)
R=1+pgK,/6 Eq. (5e)
B = O+ freKa)/(0 + ppKa) Eq. (5f)

where, v,,, [L T*] and D,, [L? T™]are average linear pore water velocity and the coefficient of
dispersion of the mobile phase, respectively, a [T™] the first order rate coefficient of solute exchange
between the mobile and immobile region, where f [-] is the fraction of sorption sites that equilibrate
with the liquid mobile phase, pg [M L73] is bulk density, and K, [L® M] is the partitioning coefficient
between the liquid and solid phase of linear solute sorption. For a non-sorbing solute with K; = 0 the
right-hand side of Eq. 5e reduces to 1 and that of Eq 5f to 8,,, /8, i.e. the fraction between the mobile
and total water content, [-]. Column length L [L] (positive upward) is the length of the soil columns

and an experimental set up dependent fixed parameter.

2.4 Parameterisation of the Mobile-Immobile solute transport model

11



The vector of unknown process model parameters, x, was estimated by minimising the sum of square

residuals by:

L ©
o) = ) (GO~ fi(x, O

where @ (x) is the objective function value to be minimised, N the number of observations per
breakthrough curve, C; [-] the normalised measured concentration at time, ¢ [T], and f;(x) [-] the
corresponding normalised model predicted concentration. The mobile-immobile process model was
calculated using CXTFIT (Toride et al., 1995) and global parameter estimation was done in R (R
Development Core Team, 2018), using the differential evolution algorithm (Ardia et al., 2015; Mullen
et al., 2011). This approach overcomes problems with estimating MIM parameters using local

optimisers as reported by Rezanezhad et al. (2017).

Two cases were considered for the parameterisation, each with a different set of parameters to be
estimated, one set for the investigated anion and one set for the cations. This differentiation was based
on the expectation of a difference in adsorption behaviour. The first case looks at CI" breakthrough that
was characterised without a term for adsorption, an assumption which is tested by accompanying
experiments to determine the adsorption isotherm of CI. For this reason, and due to the high number
of parameters in the mobile-immobile solute transport model, two parameters, R and 8 were fixed a
priori for the conservative tracer CI. McCarter and Price (2017b) suggested that a pressure head of -
100 cm could be used to delimit the proportion of mobile versus immobile pore space of ladder fen
peat. Therefore, for each sample individually, the effective porosity, n, [-] was determined as the
fraction of the drainable porosity at a pressure head of -100 mbar to that of the total pore space, i.e.
porosity. This was done by applying a constant pressure head of -100 cm in a pressure cell until no
more water drained from the sample, which was determined by regularly taking the sample out of the
pressure cell and weighing it. Since R = 1 under no adsorption scenario, we calculate g from

knowledge of n, by (Toride et al., 1995),

12



B =n./¢ (7)

with ¢ as the total porosity determined from knowledge of the total sample volume, the oven dried
mass and a solid particle density; Eq. 7 is therefore %’". From fixing these, it follows that the remaining

parameters were fitted (x; = [v,,, D., @], Table 1). Additionally, the n, (here described by the ““active

porosity”, n,) can be estimated from the resultant BTC analysis where,

Ng = Qv/(vm - A) (8)
and Q, (cm® min™) was the volumetric discharge and A (cm?) was the surface area. Through

calculating the n, and n,, a better understanding of the immobile pore space in peat can be elucidated.

In the second case, solute transport parameters were estimated to describe the observed breakthrough
of the three monovalent cations (Na*, K*, NH4"). Here, the parameters v,, and D,, were fixed to the
previously, sample specific, estimated values based on the CI" breakthrough experiments. This was
possible, since these parameters, per definition, are specific to the porous medium, therefore sample,
and not solute specific. In the case of solute adsorption, # can no longer be estimated without
knowledge of the adsorption coefficients K, and f, which can be seen by inspection of Eq. 5f and was
confirmed by Caron et al. (2015). For this reason we simultaneously estimate these parameters, and
additionally w, which is at least somewhat dependent on the solute specific molecular diffusion

(Comegna et al. (2001); x, = [R,, w]; Table 1).

To assess the goodness of fit, we calculated the root mean square error, R,,¢. [-] by

N ©
Fnse = [ 2 (G0 ~ /i )

i
where, C;(t) is the measured normalised solute concentration at time ¢; f;(x, t) is the model predicted
value and N is the number of observations. The model parameter uncertainties (i.e. the approximation

of the correlation matrix and the 95% confidence intervals) were calculated using the first-order

second-moment method (Dettinger and Wilson, 1981).

13



Finally, we determined the sensitivity of the fixed parameters by a sensitivity index (Hamby, 1994),
which numerically approximates the sensitivity of the parameters near the global optimum by using

central differences to calculate the partial derives of the objective function with respect to the fixed

parameters, p;;

o a‘p(Pi)( bi ) (10)
sens,t a (pl ) (D (x)

Eq. 10 assumes a linear dependence close to the minimum. However, this approach does not take
possible correlations with the estimated parameters into account as they are not known; in that sense,

Deens i 1S probably an overestimation of the true sensitivity and thus a conservative estimate.

3 Results

3.1 Hydro-physical peat properties

Bulk density varied between 0.05 — 0.10 g cm™ with median bulk densities for each treatment group
between 0.08 — 0.09 g cm™ (Table 2), while porosity varied between 0.93 to 0.97 and median values
for each treatment group between 0.94 —0.95 (Table 2). The drainable porosity at -100 mbar (n,) was
on average 0.50 + 0.07 (Table 2). Prior to flushing with 500 mg L™ CI' (NaCl) the hydraulic
conductivity varied between 2.1 —14.9 m day™ and increased during the NaCl flush (Table 2). All
average (median) hydrophysical properties of each treatment group varied within 1 standard deviation

of the mean (Table 2).

3.2 Equilibrium Adsorption Isotherms

14



A Langmuir (Na*) or Linear (K") isotherm model was fit to the cation data, depending if they
displayed non-linearity (Figure 1 & 2). Only Na* displayed competitive influences from either K* or
NH,", as illustrated by the decrease in Q,,,, assuming that all exchange sites are available to each
cation (Ho and McKay, 1999; Serrano et al., 2005). Therefore, any decrease in Q,,,,, iS due to the
competitive cation filling the exchange sites at the expense of the target cation (Ho and McKay, 1999;
Serrano et al., 2005). A slight increase in Q,,,,, Was observed when K" was present and a large
decrease in Q,,4, Was observed when NH," was present; regardless of other cations (Table 3). The
presence of NH,", regardless of other cations, resulted in a reduction in Q,,,,, by an order of
magnitude in both cases (Figure 1 and Table 3). This reduction in Na* Q,,,, Was still prevalent and of
a similar magnitude when excluding the largest concentrations from the single-component isotherms;
thus, making the overall range tested similar between all isotherms (not shown). The competitive
effects on Na* were further illustrated by fitting the average of each concentration to a competitive
Langmuir isotherm, where both K* and NH," had higher affinity constants than Na*, except for NH,"
when in solution with Na* and K* (Table S1). Conversely, K™ fit well with both linear and Langmuir
isotherms (Table 3) but no indications of non-linearity were observed in the data (Figure 2). Potassium
K, regardless of solution composition, varied between 2.5 — 2.8 L kg™. Although NH," Langmuir and
linear isotherms were generated (Figure S1), it is impossible to untangle the mixed effects of
adsorption and microbial consumption observed in the BTC experiments. Chloride displayed weak
adsorption to peat, resulting in highly non-linear “S” shaped (i.c., “S” class) isotherm (Hinz, 2001).
Although other “S” class isotherms are available, convergence of the non-linear regression only
occurred when using the Sips isotherm (Sips, 1948) (Figure 3). There was minimal adsorption at low
concentrations but increased after ~0.005 mol L™ (~160 mg L™), reaching a maximum of 0.05 mol kg
(Table 3). An approximate fit can be achieved using a linear isotherm (K,; = 0.78 L kg™, Ryse =
2.9x10% mol kg™, Table 3). Both pH (adj. R* = 0.72, p-value < 0.0001) and calcium (adj. R? = 0.74, p-
value <0.0001) were correlated with the total adsorbed cations, where pH decreased nearly
exponentially, and calcium increased linearly as a greater abundance of cations were removed from the
aqueous phase (Figure 4). Although all cation solutions followed the same general trends for both pH,

NH,4" typically had lower pH than both Na* and K*, but no statistical significance could be determined.
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Similarly, all NH," solutions had a greater amount of aqueous phase calcium at the same adsorbed
cation concentration (Figure 4). Although these deviations were not outside of the variability observed
with Na* and K™ (Figure 4), the slight deviation from Na* and K" could be linked to the applied
unbuffered NH," solution which had lower pH’s, since NH,Cl is an acidic salt; in contrast NaCl and

KCI that are neutral salts.

3.3 Breakthrough curve experiments

The MiM model was fit to each individual BTC, with or without adsorption depending on the ion of
interest, and the median of the individually fit BT Cs of each parameter was used to produce the
median BTCs. The individual CI' BTCs could be described very well by the MiM model, with Ry se
values between 1.2x107 and 8.6x102 (Table 4). Moreover, the median modelled BTC showed good
agreement with the observed data (Figure 5 & Table 4). Three BTCs (Na" 4, NH," 4, and Triple NH,"
1) were discarded and not shown due to an inability to minimize the objective function (non-

convergence of the measured data to the MiM model). Early breakthrough was observed in all cores,

with an observed centre of CI' mass (C£ = 0.5) typically between 0.7 and 0.8 pore volumes due to the
0

dual porosity structure of peat (Rezanezhad et al., 2017; Rezanezhad et al., 2012). Dispersivity values
ranged from 2.8 — 24.6 cm, while the n, (0.57 —0.97, Table 4) was typically greater than the measured
n, value, which ranged from 0.42 — 0.67 (Table 2). Estimated dispersivity (1 = D,,,/v,,) was on
average 5.3 cm but two cores (K* 2 and Triple Mix 2) were well above 10 cm. Weak CI adsorption as
determined by the adsorption isotherms could be established (K, =0.78 L kg), which results in an R
of 1.07 (Eq. 5e) in the MiM model. This value is very small and cannot be considered significantly
different to 1; thus, R was fixed to 1. Moreover, fixing it to 1.07 and fitting the remaining MiM
parameters, did not lead to meaningful changes in the fitted parameters. However, we recognize that
further extensive investigation of this phenomenon is required. The sensitivity indices of the fixed
parameters were low with calculated median values of 0.3 for v,,, and 0.09 for £ in the case of CI,

and overall cation experiments, the median values were 0.5 for v,,, and 0.35 for D,,,.
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Using the resulting pore water velocities and dispersion variables determined from the CI' BT C fits,
the cation transport parameters achieved good fits with the observed data (Table 5) and the median
curves agreed well with the observed data (Table 5 & Figure 6 & 7). Similar to the equilibrium
isotherms, the median Ry, decreased from a median of 1.98 to 1.01 between the single and multi-
component solutions, suggesting competitive adsorption. Likewise, Ryn, decreased from 1.33to 1.18
in the multicomponent solution; yet, remained near the values determined by the equilibrium batch
experiments. The multi-component Ry typically remained within the maximum range (1.87 —6.10)
determined by the single component isotherm (1.54 —4.60) and showed no evidence of competitive
adsorption. Inthe NH," BTCs, a peak followed by a decrease and plateau in C/Cg nnas Was observed,
suggestive of biochemical degradation (Simtinek and van Genuchten, 2008); thus, both adsorption and
a first-order decay coefficient were simultaneously fit (Figure 7 & Table 5). The first-order
degradation rate for NH," remained relatively constant between the single and competitive treatments
(median 5.7x10 and 2.7x10°° min, respectively), where the difference is potentially due to

differences in the input NH," concentration.

Notwithstanding the different starting pH of the NH," solutions, all cores and treatments pH and
calcium followed the same general trends with the total aqueous phase cations, suggestive of some
chemical non-equilibrium or dilution within the cores (Figure 8). However, there were no consistent
correlations between solutions (not shown). The pH decreased slightly during most part of the
experiment, followed by an increase towards the end, while calcium increased followed by a
pronounced decrease. Overall, it appears pH follows an inverse trend to calcium. Over all cores pH
varied between 5.9 and 6.5, while calcium concentrations were between 0.1 and 2.0 mol L™, Similar
patterns of pH and calcium were observed with time (not shown), as the total aqueous phase cations
were a proxy for time. In all cases, there was apparent chemical non-equilibrium with respect to pH
and calcium, as both never reached a steady-state outflow by the end of the experiment, unlike the

effluent cations.
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4.0 Discussion

4.1 The conservative nature of chloride in peat

Recently, the conservative nature of CI' in organic soils and potting media has been questioned, yet
there remained no empirical evidence of the potential reactive processes (Caron et al., 2015). The
determined non-linear CI adsorption isotherm in this study suggests possible weak adsorption of CI' in
organic soils; however, given the low linear partitioning coefficient (0.78 L kg™?) it did not measurably
affect the fitting of the MiM model parameters within the concentration range tested. Given that no
adsorption at low concentrations occurred, but adsorption increased with elevated aqueous phase
concentration, an inhibiting process must be occurring at low aqueous phase concentrations. In most
mineral soils, this isotherm shape suggests cooperative adsorption occurred or adsorption was
inhibited by interactions with the organic material (Hinz, 2001; Ho et al., 2002). However, without
further, and more extensive experimentation, the exact mechanism is unclear; yet, the relatively low
Qumasx Of CI (0.05 mol kg™) suggests a limited capacity to sorb onto peat. Notwithstanding the non-
linear isotherm with little to no adsorption at low concentrations, at higher concentrations, CI
adsorption should be accounted for due to increased equilibrium adsorption (Hinz, 2001; Sips, 1948).
Many studies of undisturbed and undecomposed peat have shown a distinct tailing in the BTC, similar
to those observed in this study, which has been attributed to diffusion into the inactive porosity
(physical non-equilibrium) (Hoag and Price, 1997; Kleimeier et al., 2017; Ours et al., 1997). Yet, this
tailing could potentially be described by chemical adsorption rather than physical non-equilibrium
(Simhayov et al., 2018). However, without a true conservative tracer to compare the CI" transport with,
it is impossible to identify whether chemical or physical non-equilibrium or, more likely, a
combination of both governs CI" transport in undisturbed and undecomposed peat. Although these
findings do show CI adsorption in this particular peat, they are exploratory in nature and require more
detailed research to identify the broader applicability of CI" adsorption in peat. Chiefly, whether the
“S” class (i.e., Sips or Freundlich isotherms) isotherm (Hinz, 2001; Limousin etal., 2007) describes a
ubiquitous process in peat soils and what are the specific biogeochemical mechanism that govern CI
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adsorption are in peat. Additionally, it is unknown if CI" adsorption deviates from true conservative

tracers (i.e., deuterated water or ‘20).

4.2 Physical transport properties of peat

Unlike the peat physical properties (bulk density, porosity, n,, and Kg,), which showed minimal
variability between replicates, a large variation in the shapes of the CI" BTCs could be observed. This
resulted in a range of D,, values of approximately one order of magnitude (2.0 —24.6 cm). Moreover,
the large variations in n, (0.57 — 0.95), w (0.07 —0.98), and A (2.0 — 24.6 cm) suggest that the
observed differences in BTCs can be attributed to the large variability in inter-pore connectivity and
tortuosity between samples. Since this large variation could not be correlated to observable physical
parameters; most importantly Ky (6 —23 cm day™), they do not serve as reliable predictors for solute
transport. The centre of CI mass was observed prior to one pore volume, suggesting the presence of
interconnected macro-pores governing the majority of flow and transport, similar to studies in peat
(Kleimeier et al., 2017; Rezanezhad et al., 2017). Concurrent to macropore flow, diffusion of CI" into
the inactive porosity (as represented in its dimensionless form by w) was variable and in some
instances on the upper bounds set in the parameter estimation. The large values of w indicates a near
instantaneous equilibrium with the immobile phase; however, since there is a large range in w values,
no conclusive discussion can be made. It can be safely said, that under the given boundary conditions
and flow rates, the proportion, connectivity, and flow path length of the mobile zone could be
identified as the controlling factor on the solute transport, while the nature of the exchange rate

between the mobile and immobile zone remains unclear.

In the MiM model, the effective or active porosity defined by g (Eq. 7) was fixed in this study to the
measured drainable porosity at -100 mbar; resulting in an n, that did not agree with the fixed £, as

calculated with the n,. This suggests there is a disconnect between the diffusion into the inactive
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porosity, as governed by 8, and the mobile fraction of the total porosity, as governed by the velocity.
Contrary to previous solute transport studies in peat, the large calculated n, suggest that most, if not
all, of the porosity was hydraulically contributing to flow. In previous studies, n, or n, was typically
0.1 - 0.4 depending on the degree of decomposition and botanical composition (Hoag and Price, 1997;
Kleimeier et al., 2014; Kleimeier et al., 2017; Rezanezhad et al., 2012; Rezanezhad et al., 2016).
However, in some of these studies (Kleimeier et al., 2017; Rezanezhad et al., 2016), the average linear
groundwater velocity was fixed to be proportional to the total porosity, rather than the n, (or n,); thus,
as with this study, the calculated n, does not agree with the estimated . The results of the sensitivity
analysis highlighted that in describing the presented data, the MiM model was more sensitive to
change in average linear groundwater velocity than g. Given that it is prudent to fit the more sensitive
parameter, fixing S value to a physically measured parameter, such as the drainable porosity at -100
mbar (McCarter and Price, 2017b; Weber et al., 2017b) will then lead to more accurate representation
of the physical system. In either case, fixing a given parameter is not ideal but further research is
required to determine the more efficient method for fitting BT C data or a more comprehensive solute
transport model in peat, such as a dual-permeability transport model (Liu et al., 2017). These results
do highlight the need for further research into the hydrophysical properties and processes governing

solute transport in peat.

4.3 Equilibrium competitive adsorption

Regardless of the input solution pH, all equilibrium batch experiments pH decreased from between 5.5
to 4.8 at the lowest ionic strength to an asymptotic value of ~3.8 at the highest ionic strength and no
single cation or mixture of cations displayed any deviation from this trend; suggestive that cation
exchange with H" is an important exchange mechanism in peat. Furthermore, the asymptotic pH value
observed (~3.8), at or near the lower pH limit observed in natural peatlands, which is~3.6 to 4.0
(Glaser etal., 2008; Mullen et al., 2000; Reeve et al., 1996; Ulanowski and Branfireun, 2013). In most

acidic bog peatlands pH is thought to be a by-product of Sphagnum growth and decay through the
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generation and release of organic acids (Abbott et al., 2013; Rudolph and Samland, 1985; van
Breemen, 1995). However, these results potentially highlight a second mechanism of pH regulation in
peatlands, where increases in aqueous cation concentration results in a decrease in pH due to ion
exchange to the lower observed pH limit. Concurrently, the aqueous concentration of calcium
increased, even though the peat was rinsed several times with Milli-Q water. When in the presence of
NH,", the rate of calcium release was greater (i.e., a larger slope between total adsorbed cations and
calcium) but the total amounts released were similar, likely due to the asymptotic pH relationship
driving ion exchange to calcium rather than H* or other weak organic acids, due to the lower starting
pH of the NH," solutions. In either case, there appears to be a threshold release of H™, as suggested by
the large decrease in pH, required before other cations may be available for ion exchange in peat,
which may have implications for mercury, or other pH dependent metals, dynamics in peatlands
(Shotyk, 1988). The release of calcium and decrease in pH suggests that ion exchange was the primary

adsorption mechanism within this poor fen peat.

In the equilibrium isotherms, Na* displayed non-linear adsorption to peat; resulting in a Langmuir
isotherm. Previous studies in peat (Rezanezhad et al., 2012) suggest that Na* adsorption is linear;
however, these studies were limited in their tested range (10 — 382 mg L) and within this range, the
Na" isotherms in this study were also linear. The deviation from linearity typically did not occur until
much higher concentrations (> 1000 mg L™). The good fit with the Langmuir isotherm suggests that
the true adsorption isotherm for peat is Langmuir with a very high Q,,.. . as could be expected from
observations of large cation exchange capacities in various different peats (Kyzoil, 2002; Rippy and
Nelson, 2007). Already within the concentration range tested by Rezanezhad et al. (2012), Na*
exhibited non-linear adsorption behaviour when additional cations were present. This was also
observable in the upper range of the multi-cation solution experiments. Given that non-linearity occurs
at concentrations much higher than tested in the BTCs, it is reasonable to use a linear partitioning
coefficient for Na*, provided that the total concentration remains below a threshold of 1000 mg L™.

Interestingly, Na"was the only cation influenced by the presence of other cations. The presence of
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NH," (and NH," & K*) created a much lower Q,,,,, than just K* (approximately one order of
magnitude, 0.22 to 0.02 L kg™); although both K*and NH," have similar adsorption affinities (Freeze
and Cherry, 1979). The fitted competitive isotherm parameters generally support the Q,,,, analysis;
however, the triple component solution results suggest that K* influenced the adsorption of Na* to a
much greater extent than NH,". Although these results may be due to variations in input pH (i.e., lower
pH with higher NH," concentration), the lack of notable differences in the final pH indicates that
although it may influence the relative amount of calcium released, it does not noticeably influence the
ion exchange processes. It is noteworthy that at equal molarities Na* displayed a significant non-
linearity, while K*did not; suggesting, that not all the adsorption sites on the peat were available to
Na* (Allen and Brown, 1995; Ho and McKay, 1999). While the biogeochemical processes remain
unclear, a possible explanation could be that the specific variation of organic molecules present in the

peat are responsible for these observed results (Allen and Brown, 1995; Ho and McKay, 1999).

Contrary to Boudreau et al. (2009) who observed a Freundlich isotherm type K* adsorption in peat-
based potting media when using maximum concentrations higher than those tested in this study (200 —
10,020 mg L™), K* adsorbed linearly to the peat, regardless of the concentration of other cations. Both
of these results illustrate that, so far, no maximum K* adsorption has been observed in peat,
highlighting its extremely large cation exchange capacity. In both the single-component and multi-
component cases, K* showed a similar variation in replicated K suggesting the adsorption is
insensitive to either the presence of Na*or NH,". Although insensitivity to Na* was expected due to K*
higher affinity for adsorption (Freeze and Cherry, 1979), the approximately equal adsorption affinity
of NH," and K" would imply competition between the two cations unless adsorption sites were not
limited. Since no competitive adsorption between K" and NH," was observed, it is unlikely that the
adsorption sites were limited within the tested range. The abundant supply of adsorption sites agrees
well with the high measured cation exchange capacity of peat in other studies (Kyzoil, 2002; Rippy
and Nelson, 2007), suggesting that the observed decrease in Na* Q,,,,, Was due to competition rather

than adsorption site limitation (Serrano etal., 2005). Regardless of the specific mechanism, the high
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adsorption of K* in peat could limit the available K* for biological processes, independent of other
cations, resulting in less of an observed effect on vegetation compared to other agricultural
amendments (nitrogen or phosphorous), as found by Kirkham et al. (1996). Although Kirkham et al.
(1996) found that phosphorous typically had a greater statistical effect than K™, the study design was
unable to specifically separate the effect of the individual amendments. Regardless, in most peatlands,
even those used for agriculture, K" is typically not biologically limiting and not added as a regular
agricultural amendment (Cuttle, 1983; Duren et al., 1997; El-Kahloun et al., 2003; Kirkham et al.,
1996). Given the results of this study, the presence of dissolved or adsorbed K* will likely influence
the transport of other cations through competitive adsorption, once the biogeochemical demand has

been met.

4.4 Cation transport in peat

Retardation of Na* (Ry,), in asingle cation injection solution (NaCl), in degraded and re-packed peat
has been observed between 1.73 (Rezanezhad et al., 2012) and 3.07 (Simhayov et al., 2018), which
agree with the observed values of this study (1.22 — 2.09). The resulting calculated Na* K, values (Eq.
5e) (3.4 —12.8 L kg*) were much larger than those determined from the batch experiments (2.8 L kg
1), suggesting that equilibrium adsorption may not be the only occurring process during the solute
transport experiments (Simhayov et al., 2018). This trend was further observed with K*, illustrating
systematic variations in K; when determined from batch experiments and BT Cs. Notwithstanding
these results, unlike Simhayov et al. (2018), who found extremely poor fit using the convective
dispersion equation and good fit using the non-linear adsorption kinetics one-site adsorption model,
the good fit of the observed data to the simulation using equilibrium adsorption in the MiM model,
suggests that Na* transport in peat could potentially be represented by either chemical or physical non-
equilibrium depending on the choice of transport model. Nevertheless, both this study and Simhayov
et al. (2018), among others (Hoag and Price, 1997; Kleimeier et al., 2017; Rezanezhad et al., 2017;

Rezanezhad et al., 2012; Rezanezhad et al., 2016), rely on statistical fitting and numerical inverse
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modelling to infer the governing processes and not direct observation, due to technological and
physical limitations. Thus, there has yet to be direct observable evidence, only inferred evidence from
BTC or batch experiments, of either physical or chemical non-equilibrium in peat; this remains a

critical unanswered question in the literature.

The competitive adsorption effect of NH," on Na*adsorption was evident in the transport experiments,
where a large decrease in Ry, (1.98 — 1.01) was observed under competitive conditions compared to
the single cation condition, confirming the observed trends in the batch experiment results.
Consequently, the Ry, ~ 1 suggests that no adsorption of Na* occurred and that Na* may be used a
conservative tracer where other competitive cation concentrations are elevated, such as at the mineral
peat interface (Ferlatte et al., 2015; Rosa and Larocque, 2008). The Ry, slightly decreased under the
competitive transport scenario (median Ryy, 1.33to 1.18), suggesting some influence from either Na*
or K*; however, it is unclear which cation has the prominent effect, or if it is differences in pH that
dominate the influence on NH,". It is likely that K*was the primary cause of the reduced Ry, value
because Na*has lower adsorption affinity than K*and NH,". However, due to confounding effects of
microbial degradation on NH,", further research is required to elucidate these processes. Unlike both
NH," and Na*, Ry did not decrease under competitive conditions but increased slightly; however, there
are overlapping maximum and minimum R values between competitive and non-competitive
conditions. Changes in the organic matter due to varied ionic strength (Ours et al., 1997) could
potentially increase the adsorption due to increased surface area (Allen and Brown, 1995) or changes
in available adsorption sites (Ho and McKay, 1999); there remains no evidence that the observed
variation was simply not the true variation of K" adsorption in this particular peat. This suggests that
the observed range in Ry and K reflects the intrinsic variability of K*adsorption in this particular peat
and that the adsorption reactions were not rate limited. For agriculture on peat soils, the addition of K*
and NH," may increase the mobility of NH," due to slight competitive adsorption; however, this effect
would likely be limited due to biological uptake. Interestingly, there was a decrease in the diffusion

into the inactive pores (i.e., lower median w) in all cations under competitive conditions compared to
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non-competitive conditions. Since this decrease affected all cations, and not only those affected by
competitive adsorption processes, it is likely that this decrease was due to lower injected
concentrations, thus mobile phase, rather than decreased adsorption in the inactive porosity. Although
competitive adsorption has been identified with divalent cations (Ho and McKay, 1999), this is the
first instance where it has been identified for mono-valent cations or confirmed to occur during solute

transport in peat.

During the BTC experiments all combinations of influent solutions caused an initial decrease in pH
and an increase in calcium concentration in the effluent, with the magnitude of change being sensitive
to the ionic composition of the inflow. Partial recovery of pH and calcium concentration occurred later
in the experiment. The single NH," and triple solution caused the largest decrease in pH and increase
in calcium during the first half of the BT C and the largest recovery, likely due to the lower starting
pH. The recovery period (i.e., the second half of the BT C), occurred in all cores when prolonged
tailing of the influent cation was observed. Although the recovery of both pH and calcium was likely
due to dilution of the pore water by the influent solution (pH ~6.5, 0.0 mol L™ calcium), the lack of
consistency in the magnitude of change and the co-varying relationship between pH and calcium
makes it impossible to untangle whether pH, calcium, dilution, or another mechanism was governing

this apparent non-equilibrium.

This apparent non-equilibrium, coupled with ion exchange, may increase the mobility of other metals
such as mercury due to increased solubility at lower pH, and direct ion exchange processes that can
increase the aqueous phase concentration (Melamed et al., 2000). In many northern peatlands, the
mobility of mercury, specifically methylmercury, is of critical concern (McCarter et al., 2017;
Schuster et al., 2018) due the high bioavailability and biomagnification of methylmercury (Hsu-Kim et
al., 2018; Rudd, 1995). Historically, these annual low pH values typically coincide with summer-time
low water tables (Glaser et al., 2008; Reeve etal., 1996; Ulanowski and Branfireun, 2013) and have

been attributed to increased biological activity in the Sphagnum moss and decomposition processes
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that generates organic acids through biochemical mechanisms (Abbott et al., 2013; Rudolph and
Samland, 1985; van Breemen, 1995). During these low water table periods, the transmissivity of the
peatland decreases exponentially, decreasing the pore water velocities by a similar magnitude, thus
increasing the water and solute residence time (McCarter and Price, 2017a; Quinton et al., 2000), and
lowering contaminant transport (McCarter and Price, 2017b). The increased water residence time
extends the period (days instead of hours) over which pH equilibrium can occur, during which the
release of H* ions likely contributes to the decrease in pH during the summer months. This hypothesis
remains speculative, highlighting the need for further research on the mechanisms governing pH
dynamics in peatlands. In any case, the release of H* from the peat matrix observed in both the
equilibrium batch experiments and BT C experiments suggests that pH plays in important role in the

mobility of dissolved and adsorbing cations within peat and peatlands.

4.5 Microbial Degradation of NH,"

Unlike in mineral soils, there remain few similar studies in peat on microbial-mediated degradation of
NH," and its influence on solute transport (Kadlec, 2009; McCarter et al., 2017; Ronkanen and Klove,
2009). Within the wastewater treatment peatlands elevated NH," is commonly observed alongside
elevated NO3', and commonly described as total nitrogen (Kadlec, 2009; Ronkanen and Klove, 2009).
It is the combination of anaerobic and aerobic biogeochemical/physical processes present in
wastewater treatment peatlands results in near-complete immobilization and degradation of total
nitrogen (Kadlec, 2009; Ronkanen and Klove, 2009); yet, transport rates and processes are rarely
investigated (McCarter et al., 2017). Although the biochemical degradation of NH," was not the focus
of this study, many of the modelled and measured NH," (i.e., NH," 1, NH," 3, Competitive NH," 3)
BTCs showed decreases in C/Cq in the long-plateaued tails in comparison to the other cations,
suggesting biochemical degradation. In laboratory BTC experiments on un-degraded and degraded fen
peat under anoxic conditions, Kleimeier et al. (2014) found average steady state nitrate removal rates

of 0.056 pmol cm™ hr't, much lower than this study’s observed average steady state NH,* removal
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rates [(Co-Cs) Q/V, where C, is the stable steady state concentration of NH,"] of 8 — 17 pmol cm™ hr.
Under anoxic conditions in peatlands, nitrate would be preferentially consumed (McCarter et al.,
2017). However, the likely presence of oxygen in the tested cores, as the BTC water in this study was
not de-oxygenated, suggests that aerobic microbial consumption was the primary removal pathway for
NH,". The presence of oxygen within the cores and likely aerobic microbial consumption initially
preceded anoxic conditions, as reduced sulphur was detected through basic olfactory methods when
flushing the cores after the BT C experiment. These changes in core oxygen status likely limits the
extension of these results to the field scale, where it is assumed that anoxic conditions prevail (Bottrell
et al., 2007; Rubol et al., 2012). However, under wastewater treatment conditions, dissolved oxygen
present in wastewater effluent can raise the redox conditions and result in aerobic conditions and
aerobic microbial consumption (Kadlec, 2009; Kadlec and Wallace, 2009). Regardless of the
biochemical removal, there as a slight decrease in Ry, under competitive conditions, suggesting
complex interactions between the other dissolved cations and biochemical processes that influence the

mobility of NH," in peat and peatlands.

5.0 Conclusions

In this study, the adsorption and transport processes of single and multiple solute mixtures were
investigated using measured data from equilibrium adsorption batch experiments and breakthrough
experiments. The observed data were used to calibrate different equilibrium adsorption isotherm
models and the mobile-immobile solute transport model. The results from the equilibrium adsorption
experiments showed that adsorption followed a non-linear Sips isotherm model for CI', a Langmuir for
Na®, and linear for K*. This clearly questions the de facto standard that CI" can be used as a
conservative tracer in peat, at least at high concentrations. However, since CI" adsorbed negligibly at
concentrations similar to those used in the breakthrough experiments, R was set to 1 for the
parameterisation of the MiM model. While parameters could be generally well estimated using a

global search algorithm, the parameter o describing the diffusion into the inactive porosity remains
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unclear due to high variability in the diffusion term. Here, we suggest experiments at lower flow
velocities, such that the concentration difference in the flux averaged concentrations at the outlet of the

breakthrough experiments can be detected against measurement error.

In the multiple cation adsorption experiments, Na* was clearly influenced by competitive adsorption
behaviour, leading to lower adsorption in the presence of NH,* but not K*. Contrary to this, K*
adsorption appeared uninfluenced by the presence of other ions. Microbial degradation precluded the
analysis of the NH," equilibrium batch experiment data. However, the breakthrough experiments
highlighted the potential for microbial degradation of NH," in peat and a slight decrease in adsorption
when in the presence of other cations. Interestingly, there was an apparent lower limit of pH observed
in the batch experiments that coincides with the lower observed pH values and low groundwater
velocities in natural bogs and poor fens. This suggests that the low pH in these systems may be partly
due to geochemical processes, in combination with the release of organic acids from Sphagnum
mosses and decomposing peat. Although these were simple binary or trinary solutions, this study
illustrates the need to account for these processes when studying solute transport in peat. It is evident
that adsorption processes play a critical role in reactive solute transport in peat; particularly, the
potential for anion adsorption questions the validity of previously determined peat transport
parameters. However, there is still no conclusive evidence whether CI" adsorption is ubiquitous across

different peat types and further investigation is warranted.
The following are the supplementary data related to this article.
Supplementary Fig S1

Supplementary Table S1: Competitive sodium Langmuir isotherms based on the average values for
each triplicate concentration. Q,,,, was determined for the single component isotherm.
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Supplementary Table S2: Input concentrations for the competitive equilibrium batch experiments.
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Figure captions

Figure 1: Observed and fitted (Langmuir) Na+ adsorption isotherms under non-competitive and

competitive scenarios. Note the log-log scale.

Figure 2: Observed and fitted (Linear) K+ adsorption isotherms under non-competitive and

competitive scenarios. Note the log-log scale.

Figure 3: Observed and fitted CI- sorption isotherm using a Sips isotherm (Sips, 1948; Hinz, 2001).

Figure 4: Aqueous pH and calcium in the extracted equilibrium batch experiment extracts regressed

versus as a function of the total adsorbed cations.

Figure 5: Observed and fitted median CI- BT Cs. The fitted curve was derived by using the median

value for each parameter determined by fitting each individual curve.

Figure 6: Median single component BT Cs for each cation Na+ (top), K+ (middle), and NH4+
(bottom). The fitted curve was derived by using the median value for each parameter determined by
fitting each individual curve, while the dashed line is the median curve for the chloride BTCs that
match the cores used for each treatment. Note, Na+ 1 and NH4+ 4 are missing, since description with

due to non-convergence of the inverse simulation of the MiM model was not possible.

Figure 7: Median competitive BTCs for each cation Na+ (top), K+ (middle), and NH4+ (bottom). The
fitted curve was derived by using the median value for each parameter determined by fitting each

individual curve, while the dashed line is the median curve for the chloride BT Cs that match the cores

35



used for each treatment. Note, NH4+ 1 is missing due to non-convergence of the inverse simulation of

the MiM model.

Figure 8: Observed pH and calcium concentration in the effluent of the BT C experiments for each

applied BTC solution. The Total Aqueous Phase Cations represent a proxy for time, as the increase in
Total Aqueous Phase Cations is directly related to the effluent concentrations and flow rate. Note, no
apparent equilibrium was achieved for either pH or calcium, while equilibrium outflow was achieved

for the individual cations.

Figure S1: Figure 1: Observed and fitted (Langmuir) NH4+ adsorption isotherms under non-

competitive and competitive scenarios. Note the log-log scale.
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Tables

Table 1: ANIONS: Fixed and estimated process model parameters, and lower and upper bounds for

the estimated parameters, where the estimated pore water velocity v,, was bounded by two average

linear groundwater velocities calculated from the measured flux density of the experiment (vj; Darcy

velocity) dividing by the determined porosity ¢ of the respective sample and an effective porosity of

5%, denoted by ¢, os. CATIONS: The estimated pore water velocity v,,, and the dispersion coefficient

D,, were fixed to the estimated parameter values for the anion breakthrough. Since g is dependent on

R (eqg. 2), and the cations are expected to show distinct adsorption, both parameters are estimated for

the cation breakthrough curves. w is dependent on molecular diffusion and has to be estimated for

each ion individually. Explanation of the remaining process model parameters is given in the text.

Vm D, W R B
[cm min™] | [cm?min] [-] [-] [-]
ANION Lower bound vp/ P le-3 le-1 Fixedto 1l | NA, fixed
ANION Upper bound vp/Poos lel lel (Kg=0) by eq. 2
CATIONS Lower bound Fixed Fixed le-1 1 0
CATIONS Upper bound Fixed Fixed lel 5 1
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Table 2: Hydrophysical properties of each BTC core separated by treatment. Hydraulic conductivity is

separated into two runs. Pre-flush is prior to the NaCl flush, while mid-Flush is during the NaCl flush.

Core ID Bulk Porosity n, Ksat (Pre-Flush) Ksat (mid-Flush)
Density
[gcm”] [-] [-] [cm day™] [cm day™]
Sodium 1 0.07 0.95 0.50 7 14
Sodium 2 0.08 0.94 0.42 13 13
Sodium 3 0.09 0.94 0.51 11 22
Sodium 4 0.06 0.96 0.49 2 11
Potassium 2 0.08 0.95 0.51 12 14
Potassium 3 0.09 0.94 0.48 10 14
Potassium 4 0.10 0.94 0.44 4 6
Ammonium 1 0.08 0.93 0.45 15 21
Ammonium 3 0.10 0.95 0.67 15 23
Ammonium 4 0.05 0.97 0.61 8 18
Triple Mix 1 0.08 0.94 0.52 6 9
Triple Mix 2 0.07 0.95 0.59 11 22
Triple Mix 3 0.10 0.93 0.44 3 10
Triple Mix 4 0.09 0.93 0.43 6 14
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Table 3: Sorption isotherm model coefficients. K, is the estimated partitioning coefficient determined
from the Langmuir where K ,; = QpaxL; (Hinz, 2001; Limousin et al., 2007).

Linear
lon Additional Cation(s) K, Kuq Qmax L; (ay) n Rmse Rumse
[Lkg | [Lkg | [mol kg | [L kg‘l (- [mol kg
] '] '] )l [-] | [mol kg™] ]
Sodium - 1.9 2.81 0.22 12.64 - 5.1E-03 | 3.3E-03
Sodium Potassium 2.4 3.6 0.25 14.5 A 2.0E-03 | 4.2E-03
Sodium Ammonium 2.6 4.3 0.04 98 - 2.0E-03 | 6.6E-04
Potassium & -
Sodium Ammonium 2.1 4.1 0.02 192 1.1E-03 | 5.6E-04
Potassiu -
m - 2.6 - - - 3.4E-03 -
Potassiu -
m Sodium 2.8 - - - 2.0E-03 -
Potassiu -
m Ammonium 2.7 - - - 1.8E-03 -
Potassiu Sodium & -
m Ammonium 2.5 - - - 1.3E-03 -
Ammoni -
um - 15 1.7 0.20 8 2.8E-03 | 2.8E-03
Ammoni -
um Sodium 1.7 2.1 0.03 84 1.4E-03 | 1.8E-03
Ammoni -
um Potassium 1.3 2.0 0.02 96 1.3E-03 | 1.4E-03
Ammoni -
um Sodium & Potassium 1.0 1.7 0.01 139 1.4E-04 | 4.6E-04
0.5
Chloride - 0.78 - 0.05 817 3 2.9-02 | 4.1E-03
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Table 4: Conservative solute transport parameters derived from the CI' BTCs. Dispersivity (a,,) was

estimated by D,, /v,,,. The v,,, and D, were used to estimate the reactive cation transport parameters

(Table 5). The median values are the average parameters determined from replicates, while the median

chloride is the average values for all 13 cores.

Vm Dy, B w A "a Rmse R?
[emmin] | [em?min®] | [ | (1 | M | O |
Sodium 1 0.15 0.95 0.53 | 0.16 6.3 | 0.57 | 2.2E-02 | 0.99
Sodium 2 0.15 0.71 0.45 | 9.98 48 | 061 | 52E-02 | 0.96
Sodium 4 0.11 0.37 0.51 | 0.27 34 | 080 | 35E-02 | 0.99
Potassium 2 0.10 2.37 0.54 | 0.04 246 | 0.95 | 24E-02 | 0.96
Potassium 3 0.15 1.03 0.51 | 8.26 7.1 1 0.61 | 26E-02 | 0.96
Potassium 4 0.10 0.54 0.47 | 8.38 5.3 | 0.90 | 43E-02 | 0.97
Ammonium 1 0.10 0.28 0.48 | 0.31 2.8 | 0.87 | 25E-02 | 0.99
Ammonium 3 0.09 0.57 0.70 | 0.07 6.0 | 097 | 1.2E-02 | 1.00
Ammonium 4 0.10 0.30 0.64 | 0.18 32 | 094 | 36E-02 | 0.98
Triple Mix 1 0.12 0.91 0.55 | 9.50 7.5 | 0.75 | 2.2E-02 | 0.98
Triple Mix 2 0.15 1.97 062 | 010 | 132 | 0.64 | 14E-02 | 1.00
Triple Mix 3 0.13 0.40 047 | 151 | 320 | 0.72 | 2 5E-02 | 0.99
Triple Mix 4 0.10 0.20 0.46 | 9.75 2.0 | 0.89 | 8.6E-02 | 0.92
Median Sodium 0.15 0.71 0.45 | 0.53 48 | 0.61 - -
Median Potassium 0.10 1.03 051 | 8.26 7.1 | 0.90 - -
Median Ammonium 0.10 0.30 0.64 | 0.18 32 | 094 - -
Median Triple Mix 0.12 0.66 0.51 | 551 53 | 0.74 - -
Median Chloride 0.11 0.57 0.51 | 0.64 5.3 | 0.80 | 1.7E-01 | 0.63
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Table 5: Reactive cation transport parameters determined from fitting the observed data to the MiM

model. The v, and D, were estimated from the CI' BTCs (Table 4). The median values are the

average parameters determined from replicates.

Vi D,, R B ® U Rus | R?

[em min] | fem*min™] | [-] | [] | [-] | [min"] [-]
Sodium 1 0.15 0.95 1.98 | 0.56 | 0.03 - 3.8E-02 | 0.97
Sodium 2 0.15 0.71 2.09 | 0.42 | 0.05 - 5.9E-03 | 1.00
Sodium 4 0.11 0.37 1.22 | 0.01 | 0.08 - 1.8E-02 | 0.92
Potassium 2 0.10 2.37 4,60 | 0.30 | 0.03 - 1.8E-02 | 0.98
Potassium 3 0.15 1.03 2.30 | 0.28 | 0.13 - 1.9E-02 | 0.98
Potassium 4 0.10 0.54 2471 0.59 | 0.10 - 1.2E-02 | 1.00
Ammonium 1 0.10 0.28 154 | 0.04 | 0.74 | 5.7E-03 | 2.4E-02 | 0.99
Ammonium 3 0.09 0.57 1.25| 0.32 | 0.49 | 7.0E-04 | 1.6E-02 | 0.99
Ammonium 4 0.10 0.30 1.33| 0.04 | 3.82 | 1.1E-02 | 4.3E-02 | 0.97
TRP Sodium 1 0.12 0.91 1.00 | 0.64 | 0.02 - 2.4E-02 | 0.97
TRP Sodium 2 0.15 1.97 1.00 | 0.48 | 0.03 - 4.6E-02 | 0.94
TRP Sodium 3 0.13 0.40 1.02 | 0.64 | 0.01 - 2.6E-02 | 0.98
TRP Sodium 4 0.10 0.20 1.01| 0.57 | 0.01 - 4.4E-02 | 0.95
TRP Potassium 1 0.12 0.91 6.10 | 0.27 | 0.04 - 1.2E-02 | 0.99
TRP Potassium 2 0.15 1.97 1.87 | 0.50 | 0.05 - 2.3E-02 | 0.99
TRP Potassium 3 0.13 0.40 5.18 | 0.31 | 0.04 - 1.6E-02 | 0.99
TRP Potassium 4 0.10 0.20 249 | 0.46 | 0.03 - 3.5E-02 | 0.98
TRP Ammonium 2 0.15 1.97 1.17 | 0.56 | 0.12 | 2.7E-03 | 2.1E-02 | 0.99
TRP Ammonium 3 0.13 0.40 1.46 | 0.65 | 0.22 | 9.6E-04 | 2.0E-02 | 0.99
TRP Ammonium 4 0.10 0.20 1.18 | 0.71 | 0.23 | 6.8E-03 | 2.6E-02 | 0.99
Median Sodium 0.15 0.71 1.98 | 0.42 | 0.05 - 4.6E-02 | 0.96
Median Potassium 0.10 1.03 2471 0.30 | 0.10 - 1.1E-01 | 0.79
Median Ammonium 0.10 0.30 1.33| 0.04 | 0.74 | 5.7E-03 | 1.5E-01 | 0.73
Median TRP Sodium 0.12 0.66 1.01 | 0.60 | 0.01 - 8.2E-02 | 0.94
Median TRP Potassium 0.12 0.66 3.84 | 0.38 | 0.04 - 6.3E-02 | 0.92
Median TRP_ Ammonium 0.13 0.40 1.18 | 0.65 | 0.22 | 2.7E-03 | 3.6E-02 | 0.98
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Highlights

1. Observed concentration dependent chloride adsorption to peat for solutions > 500 mg/L.

2. Competitive adsorption and transport observed between sodium, potassium, and ammonium in
peat.

3. Under competitive conditions, sodium transport behaved conservatively.

4. Lower limit of pH observed coincides with lower limit of reported bog pH values
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