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Summary

Global biodiversity is rapidly declining, resulting in far-reaching impacts on the
functioning of ecosystems and human wellbeing. In recent decades, anthropogenic land
use has been identified as a major driver of biodiversity loss, especially through the
expansion and intensification of agricultural systems. While the drivers of biodiversity
loss have been relatively clearly established, variability in the way that whole ecosystems
respond to these drivers is still poorly understood. This is, in part, because we still lack a
clear understanding of how species interactions govern the way that complex
communities respond to environmental stressors, as well as their role in mediating
ecosystem functioning.

Species interactions can moderate community responses to land-use change via
trophic cascades, whereby extinctions at the top or bottom of a food chain produce
cascading effects through the rest of the food web due to the disruption of resource
availability or predatory control of consumers. Additionally, species interactions are
fundamental for ecosystem functioning as they are almost always directly linked to
processes such as decomposition, herbivory, predation, pollination, and seed dispersal.
Therefore, an approach to studying biodiversity and ecosystem functioning of naturally
complex communities that incorporates multiple trophic levels and their interactions is
crucial for predicting future global-change scenarios. Despite the conceptual advantage of
a multitrophic approach, this has been rarely applied in the context of biodiversity and
ecosystem functioning of ecosystems undergoing land-use change. In addition, while
there has been considerable evidence established for the role of biodiversity in
maintaining ecosystem functioning in local-scale experiments, there is still very limited
knowledge of how this relationship scales up to landscapes in real-world ecosystems. In
this thesis, | aimed to achieve a conceptual advance in biodiversity-ecosystem functioning
(BEF) research within the context of global environmental change by investigating
responses of complex multitrophic communities to land-use change and the resulting
consequences for ecosystem functioning.

Firstly, in Chapter 2, | combined data from a wide taxonomic range of trophic
groups to test how communities of interacting species respond to tropical land-use
intensification in Sumatra, Indonesia. | employed structural equation modelling to test if

land-use intensification directly impacted all trophic groups or, alternatively, if it affected
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only lower trophic levels, resulting in bottom-up trophic cascades. Results from this
model suggested that direct land-use impacts were generally much stronger than bottom-
up trophic effects. Interestingly though, the number of direct effects from land-use
intensification decreased considerably from plants to predators, whereas the number of
bottom-up trophic effects increased dramatically with increasing trophic level. These
findings suggest that the underlying mechanisms of land-use intensification that alter
communities highly depend on the trophic level in question, indicating the need for
trophic level-specific conservation management strategies.

The results from Chapter 2 provided strong evidence for the importance of species
interactions in moderating community responses to land use, leading to the question of
how ecological processes carried out by multitrophic communities are resultantly
affected. One major challenge of BEF research has been to fully incorporate species
interactions across multiple trophic levels to quantify a trophically broad measure of
ecosystem functioning. In Chapter 3, I overcame this challenge by developing a measure
of ecosystem functioning that integrates food web and metabolic theory to calculate
community energy flux across multiple trophic levels. By calculating energy flux of
multitrophic macroinvertebrate communities, | demonstrated that declining species
diversity with increasing land-use intensity led to concomitantly strong declines in
community energy flux. Furthermore, | found that the relationship between species
richness and energy flux was steeper in the most intense land-use system, oil palm, but
this result did not hold when trophic guilds were analysed independently. Thus, these
findings suggest that if trophic groups are omitted, it is possible that BEF relationships
could be misinterpreted in response to anthropogenic land use.

In order to extend the previous chapter’s findings beyond the provisioning of
ecosystem functioning of multitrophic communities, in Chapter 4, | investigated the
functional stability and resilience of the macroinvertebrate communities to future
perturbations. Using a trait-based approach, I determined how communities were
assembled among different land-use types. | then calculated functional stability and
community resilience by measuring the number of functionally redundant species within
functional effect groups (based on traits that determine species’ influence on ecosystem
processes) and the dispersion of traits within functional response groups (based on traits
that determine species’ responses to disturbances). In doing so, | found that litter
invertebrate communities in oil palm plantations were more randomly assembled, as well

as having significantly fewer functionally redundant species. However, the jungle rubber
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agroforest system harboured communities with considerably higher functional
redundancy than in oil palm. These results indicate that communities in high-intensity
land-use systems are more susceptible to functional collapse given future perturbations,
but low-intensity agroforests could help to maintain higher functional stability in
anthropogenic landscapes.

Finally, in Chapter 5, I investigated how ecosystem functioning varies across
spatial and environmental gradients and the mechanisms that give rise to spatial turnover
in ecosystem functioning. To test this, | used data on litter macroinvertebrate
communities from landscapes in Indonesia and Germany and applied the energy flux
calculations developed in Chapter 3 as a measure of multitrophic ecosystem functioning. |
then employed structural equation modelling based on distance matrices to establish how
environmental and geographic distance drive turnover in species composition, species
richness, functional trait dispersion and community biomass, and how these factors
consequentially drive spatial turnover in community energy flux in a tropical and
temperate region. Environmental distance appeared to be more important in the
Indonesian compared with the German region for driving species turnover. However, the
mechanisms that determined spatial turnover in ecosystem functioning were remarkably
similar between the tropical and temperate regions, such that species richness and
community biomass were the most important variables explaining spatial variability in
energy flux. These results suggest that mechanisms such as species identity and niche
complementarity may become redundant for predicting ecosystem functioning at the
landscape scale. Instead, species richness and biomass should be sufficient for predicting
multitrophic ecosystem functioning at large spatial scales.

Overall, in this thesis | demonstrate that species interactions are important for
mediating responses of multitrophic communities to land-use intensification and that the
loss of species across trophic levels has drastic consequences for the provisioning of
multitrophic ecosystem functioning. Furthermore, this species loss reduces the stability of
ecosystem functioning in intensified agricultural landscapes. Finally, | demonstrate that
species richness and community biomass are the key components for developing a
framework aimed at predicting likely scenarios of functional losses in intensified land-use
systems at the landscape scale. Ultimately, by incorporating real-world complexity into
studies that integrate across multiple ecological concepts, this thesis presents a significant
advance toward understanding how ecosystems respond to anthropogenic land-use

change, thus highlighting important areas for future exploration.
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Chapter 1

Introduction

1.1 UNDERSTANDING SHIFTING ECOSYSTEMS IN A CHANGING WORLD

The earth’s ecosystems are currently shifting in an unprecedented manner; a process
which is primarily dominated by human influence (Zalasiewicz et al. 2011). We are
witnessing the greatest rate of species extinctions since the end of the Cretaceous-
Paleogene transition (Barnosky et al. 2011; Ceballos et al. 2015). As well as dramatic
losses of species, the earth is undergoing extraordinary levels of global biotic exchange
(Chen et al. 2011; van Kleunen et al. 2015), giving rise to novel species interactions and
vast shifts in the functioning of ecosystems (Tylianakis et al. 2008a). Understanding and
mitigating the consequences of such enormous changes in the earth’s biological systems
has become one of the greatest challenges that humanity presently faces (Ehrlich &
Ehrlich 2013). To take on such challenges, specific aspects of global change and the
ensuing biological responses must be elucidated. Firstly (but not exclusively), the major
drivers of ecological shifts must be identified. Specifically, we must consider the relative
impacts of different global change drivers such as anthropogenic land use, climate
change, and nitrogen deposition and how they may interact to alter biological systems.
Secondly, an understanding of how different ecosystems and their ecological constituents
(e.g., populations, species, food webs, and meta-communities) respond to these
aforementioned global change drivers is crucial for predicting future biological outcomes
in our changing world. This requires an understanding of how ecological communities,
including species interactions and their traits, are structured across space and time.
Thirdly, we must determine how these changes in the structure of biological systems alter
the way that these ecological constituents perform by understanding the links between
ecological structure and ecological processes. While these aspects of biological responses
to global change drivers have all received rapidly increasing attention in recent years, we

are still lacking a clear and fully comprehensive synthesis of scientific understanding.



In this thesis, my aim is to achieve a major advance in our understanding of how
complex biological systems will likely respond to one of the most important global
change drivers; anthropogenic land use. Focusing primarily on shifting tropical
agricultural landscapes in Indonesia, | investigate the impacts of different land-use types
on ecological communities comprising a wide range of taxa and trophic levels. To
ascertain how complex ecological systems respond to land-use change, | develop two
overarching hypotheses of how taxonomically broad, multitrophic communities will be
impacted by agricultural intensification—either by direct land-use effects, or indirectly
via bottom-up trophic interactions—and disentangle these hypotheses within a structural
equation modelling framework (Chapter 2). Then, to determine how multitrophic
biodiversity responses to land-use intensification result in alteration of ecosystem
functioning, | develop a multitrophic measure of ecosystem functioning, i.e. community
energy flux, and analyse the consequences of biodiversity loss for multitrophic litter
macro-invertebrate communities (Chapter 3). | further investigate the consequences of
land-use change on the future certainty of the provisioning of ecosystem functions by
using traits to estimate the functional resilience and stability of these litter macro-
invertebrate communities (Chapter 4). Finally, | widen the geographic scope to include
tropical and temperate litter invertebrate communities and investigate the aspects of
community structure that drive spatial variation in multitrophic ecosystem functioning
(Chapter 5). In doing so, this thesis presents a comprehensive advance in our
understanding of how biological systems, in all their complexity, will likely be altered in
response to anthropogenic land-use change and the consequences these alterations will

yield for ecosystem functioning.

1.2 HOW LAND-USE CHANGE IMPACTS ECOSYSTEMS

Fifteen years ago, Sala and colleagues (2000) predicted the impacts of various drivers of
ecological change on the earth’s biomes. Using expert knowledge, the authors ranked
major drivers of change based on expected impacts on global biodiversity in the year
2100, suggesting that anthropogenic land use would be the chief culprit for driving
biodiversity loss in terrestrial ecosystems. Despite an element of subjectivity in this study,
we are now seeing these global projections of biodiversity loss take shape (Newbold et al.

2015). As the human population grows at an increasingly rapid rate, maintaining the



security of natural capital becomes ever more challenging (Ehrlich, Kareiva & Daily
2012). This has led to widespread deforestation resulting from agricultural expansion,
particularly in developing countries (Lambin & Meyfroidt 2011; Laurance, Sayer &
Cassman 2014), as well as to increasing agricultural intensification (Matson et al. 1997).
Specifically, in the developed world there has been considerable effort to increase crop
yields. Nevertheless, these increases in intensification are believed to be insufficient to
meet growing human demands (Gibbs et al. 2010). This has prompted a more recent
expansion of agricultural land in the tropics where large tracts of unused arable land still
exist, but this expansion frequently occurs at the expense of tropical rainforests (Gibbs et
al. 2010) that harbour a high proportion of the earth’s biodiversity (Myers et al. 2000;
Dirzo & Raven 2003). Consequently, deforestation and the conversion of natural
ecosystems to agricultural production landscapes in the tropics has become a prominent
concern for the conservation of global biodiversity (Gardner et al. 2009; Gibson et al.
2011).

Although most concern has been focused on the loss of biodiversity following
land-use change, there exist a myriad of other ecological responses to land use. Such
variability in ecological responses is partly due to differences in types of land use and
interacting drivers of change (e.g., climate change or nitrogen deposition), but also
because of variability in the biotic and abiotic attributes of ecosystems at different
temporal and spatial scales (DeFries, Foley & Asner 2004; Ewers & Didham 2006;
Gardner et al. 2009; Tscharntke et al. 2012b). In order to grasp the variety of ways that
land-use change can impact ecosystems, we must consider the different aspects of land-
use change that alter species assemblages and their influences on ecosystem processes.
The factors that give rise to variation in responses of biological systems to land use can be
conceptually divided into two major categories: 1) variation in land-use drivers and co-
drivers and 2) diversity of ecological responses to these drivers (DeFries et al. 2004). To
discuss these factors, | will focus on agricultural expansion and intensification, although
there are many other forms of anthropogenic land use such as mining of precious

materials, urbanisation, and power generation that | will not cover here.

1.2.1 Land-use drivers and co-drivers
Land-use-related drivers of ecological change typically occur in two important
phases. Initially, natural or unmodified landscapes are transformed to anthropogenic

production landscapes. Following this landscape conversion, these production landscapes



can then undergo varying practices that either increase or decrease the intensification of
land use (Lambin, Geist & Lepers 2003; DeFries et al. 2004; Lambin & Meyfroidt 2010).
During the initial ‘transformation phase’, natural ecosystems undergo habitat loss and
fragmentation (DeFries et al. 2004); both of which can have contrasting, yet comparably
important impacts on ecosystems (Fahrig 2003; Tscharntke et al. 2012b).

Habitat loss is perhaps the most noticeable driver of ecological change resulting
from anthropogenic land use as it often occurs as an abrupt conversion of forest to
croplands (DeFries et al. 2004). This process of conversion generally results in a severe
reduction of habitat area and complexity through the removal of structurally complex
plant communities. Perhaps unsurprisingly, this loss of habitat as a result of deforestation
has severe impacts on resident species assemblages across a large range of taxa (Gibson
et al. 2011; Pimm et al. 2014). Habitat loss through conversion to agricultural landscapes
can even have indirect impacts on ecosystems, such as through the facilitation of invasive
species in modified landscapes (Didham et al. 2007). At present, some of the most
concerning cases of deforestation for species conservation are in the tropics (Gibbs et al.
2010; Laurance et al. 2014). In particular, Southeast Asia is undergoing an unprecedented
rate of deforestation for the establishment of agricultural crops such as oil palm, rubber,
and fibre plantations (Li et al. 2007; Fitzherbert et al. 2008; Koh et al. 2011; Wilcove et
al. 2013; Abood et al. 2014). As a result of this land transformation, there have been
increasing reports of large-scale species losses from many different taxonomic groups,
especially within the Southeast Asian archipelago (Gibson et al. 2011).

With the conversion of natural habitat into agricultural landscapes, this can also
result in the fragmentation of remnant ecosystems. While habitat loss and fragmentation
tend to occur simultaneously, they have contrasting effects on ecosystems (Fahrig 2003;
Tscharntke et al. 2012b). Fragmentation of habitats per se typically results in an increase
of patch isolation and edge effects (Kupfer, Malanson & Franklin 2006). In landscapes
where habitat patches are more isolated, species that are dependent on these habitat
patches tend to suffer from declines in genetic diversity due to an inability of individuals
to disperse and outbreed to other populations in the wider landscape (Corlatti, Hacklander
& Frey-Roos 2009). The isolation of habitats is also likely to interact synergistically with
global climate change by reducing the ability of species to track changing climates across
fragmented landscapes (Hof et al. 2011). Edge effects generally increase in fragmented
landscapes due to an increase in the edge-to-area ratio of remnant habitat patches. These

effects have widely been shown to negatively impact ecosystems, probably due to a range



of factors such as increases in microclimatic variability, wind disturbance, solar radiation,
alteration of vegetative structure and increased predation pressure (Laurance et al. 1998;
Vetter, Ricker & Storch 2013; Didham & Ewers 2014). The impacts that edge effects
have on organisms, however, differ widely among taxa and are also dependent on the type
of agricultural matrix present (Campbell et al. 2011; Barnes et al. 2014a). This is because
anthropogenic landscapes are generally mosaics of different land uses that are subjected
to various levels of management intensities, thus presenting a range of habitat types for
species inhabiting these mosaic landscapes (Kupfer et al. 2006; Fahrig et al. 2011). As a
result, anthropogenic land use can have distinctly contrasting ecological impacts at both
the landscape and the local scale (Batary et al. 2011; Gonthier et al. 2014).

Of the many different local management practices, material inputs such as
fertiliser and pesticide application present some of the most acute effects in agricultural
ecosystems (Matson et al. 1997; Tilman et al. 2002). The negative impacts of pesticide
usage have been shown to outweigh impacts of other management practices on
invertebrates in European croplands (Geiger et al. 2010), with evidence also mounting for
detrimental effects on non-target microbial communities (e.g., Schuster & Schroder 1990;
Zhang et al. 2009). It is becoming increasingly recognised that pesticides are used in
greater quantities and are also being more frequently overused in the tropics, which will
almost certainly have severe consequences for biodiversity in tropical agricultural
ecosystems (Wanger, Rauf & Schwarze 2010). While the intention of pesticide
application is to control pest species and prevent loss of crops, often their use results in
negative effects on non-target species that may be beneficial for crop productivity, such
as on species that provide natural biological control (Isaacs et al. 2009).

Following conversion of forest to agricultural production land, there is typically a
significant loss of soil carbon and nitrogen from these systems (Murty et al. 2002). In
more intensive agricultural systems, however, this is generally followed by very high
inputs of nitrogen and phosphorus through the application of synthetic fertilisers (Tilman
et al. 2002). Fertiliser inputs have been shown to have especially conspicuous negative
effects on plant diversity by increasing competitive exclusion among species (Hautier,
Niklaus & Hector 2009). At larger scales, heavier fertiliser application has even been
shown to have detrimental effects on bird species richness (Billeter et al. 2008), although
this effect is probably indirect via the negative impacts of fertilisation on plant species
richness. In addition to material inputs, the initial reduction and active clearance of

understory vegetation and leaf litter also negatively impacts many different inhabitant



taxa in agricultural systems (Lawton et al. 1998). For example, Bestelmeyer & Wiens
(1996) demonstrated that the structure of litter-dwelling ant communities was strongly
affected by the amount of leaf litter covering the ground, which was altered as a result of
varying land-use practices. Also, the clearance of understory vegetation (typically carried
out in plantation agriculture systems) is likely to be responsible for declines in species
richness such as those seen following the conversion of rainforest to oil palm plantations
(e.g., Koh & Wilcove 2008; Turner & Foster 2008). In spite of these findings, direct
experimental evidence for the importance of reduced understory vegetation on animal

communities is still limited.

1.2.2 Diversity of ecological responses

The ways in which ecological communities are affected by land-use change are
not only dependent on the type or intensity of land use, but also on the variability in
responses of species to these aforementioned drivers (Tscharntke et al. 2012b). This
largely arises from intra- and interspecific variability in traits of species that confer
differing abilities to cope with environmental stressors. While there are indeed an infinite
number of traits that vary continuously among species and individuals (Violle et al.
2012), only certain traits are variable enough to have an important influence on the way
that an organism performs and responds to environmental stressors. These traits are
commonly referred to as ‘functional traits’ (Violle et al. 2007). Species responses to
habitat fragmentation have been repeatedly shown to be trait-dependent. Traits that
mediate such responses often include dispersal ability and trophic generalism (Larsen,
Lopera & Forsyth 2008; Ockinger et al. 2010), quite possibly because higher dispersal
ability allows organisms to move more freely among isolated patches, whereas higher
generalism allows for the use of variable resources in the matrix habitat, thus reducing the
deleterious effects of patch isolation. Additionally, trophic level has been shown to be an
important factor determining species’ sensitivities to habitat loss, such as in a study by
Cagnolo et al. (2009) who found that parasitoids were more strongly affected than their
leaf-miner prey and plants, suggesting the importance of bottom-up trophic cascades in
response to land-use change. In addition to the initial loss and fragmentation of habitat,
intensification of land use also imposes trait-dependent impacts on species. For example,
a recent study by Rader et al. (2014) showed that, from small home gardens to large-scale
intensive croplands, large-bodied, solitary, specialist pollinators were the most affected

by intensified land use. Similar trait-mediated responses to land-use intensification have



been found for plant communities, such as in the study by Laliberté & Tylianakis (2012),
which demonstrated that specific leaf area mediated responses in plant annual primary
productivity to increasing nutrient inputs over 27 years of land-use intensification.

Thus far, | have predominantly focused on how specific traits can mediate
individual and species responses to land-use change. Yet, functional traits can also play
an important role in how whole communities respond to environmental stressors imposed
by land use. In particular, the functional diversity of communities (i.e., the diversity of
functional traits in a community) can have an important influence on how communities
are assembled (Mouchet et al. 2010; Pakeman 2011) and how resilient these species
assemblages are to land-use change (Laliberté et al. 2010). Because land-use change is a
complex and dynamic process that comprises a wide range of environmental stressors (as
discussed above), it therefore stands to reason that species assemblages composed of a
wider range of traits will be better equipped to deal with such a multitude of stressors
(Elmqvist et al. 2003; Folke et al. 2004; Mori, Furukawa & Sasaki 2013). There is now
rapidly increasing evidence that land-use change has detrimental impacts on the resilience
of ecosystems due to the loss of functional diversity in communities of plants (Laliberté et
al. 2010) and birds (Fischer et al. 2007; Karp et al. 2011). Such evidence is still lacking,
however, for other functionally important taxonomic groups such as invertebrates and
microbes. Nevertheless, these pioneering studies show that following land-use change,
the diversity of functional traits that confer different responses to environmental stress in
plant and bird communities is reduced. As a result, the ability of communities to maintain
the provisioning of ecosystem functions given likely future disturbances—such as climate

change and increased biotic exchange—will be at risk.

1.3 LAND USE IN A CONNECTED WORLD: THE IMPORTANCE OF SPECIES
INTERACTIONS

“What escapes the eye is a much more insidious kind of extinction: the extinction

of ecological interactions.” Daniel H. Janzen (1974)

There is a staggering amount of evidence for the detrimental impacts of anthropogenic
land use on population abundances, species diversity, functional trait diversity, and

community composition. Given such widespread impacts on populations and



communities, this raises another important question: how do land-use impacts alter
species interactions and what consequences do these altered interactions have for
biodiversity and ecosystem functioning? In a seminal review of previous research into
responses of species interactions to global-change drivers, Tylianakis et al. (2008)
elucidated how the ecological impacts of global change will strongly depend on the way
that species interact with each other. To understand how ecosystem responses can so
strongly depend on species interactions, one must first understand how ecological
processes can be altered by such interactions. Although the ways in which species can
interact are highly numerous and complex (Wootton 1994), | will focus mostly on trophic
interactions, but also briefly touch on mutualistic and competitive species interactions,
with examples of how they might alter ecosystem responses to land-use change.

Trophic interactions have long been a focus in ecology as a means of
understanding how resources are used and energy is transferred among organisms (Paine
1980). Because of the vital reliance of organisms on their resources, as well as the
conversely strong pressure of predation on resource populations, these so called ‘bottom-
up’ and ‘top-down’ forces can instigate trophic cascades following perturbations to lower
or higher trophic levels (Wootton 1994). For example, Scherber et al. (2010) showed that
in experimental grassland communities, plants were highly important for structuring
communities across a large range of taxa occupying multiple trophic positions because of
bottom-up trophic interactions. This suggests that if these grasslands were subjected to
perturbations that alter the plant communities (such as high levels of fertilisation typical
of intensive agricultural systems [Tilman et al. 2002; Hautier et al. 2009]), the higher
trophic levels in these systems would also be strongly affected due to their trophic
dependencies on the diversity and biomass of their resources. Such disturbance-related,
bottom-up trophic cascades have been experimentally shown in other simple two- or
three-trophic-level systems (Haddad et al. 2009; Borer et al. 2012). However, any clear
test of these indirect bottom-up cascading effects in ecosystems undergoing land-use
change is still lacking (Gardner et al. 2009). Nevertheless, there appears to be strong
evidence that bottom-up cascades can have important implications for ecosystem
functioning and the provisioning of ecosystem services. For example, Ebeling et al.
(2014) found that higher plant diversity resulted in significantly higher rates of litter
decomposition and herbivory, suggesting that these processes could be altered in

agriculturally intensified landscapes where plant diversity is reduced.
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While bottom-up forces are clearly important for structuring multitrophic
ecosystems, they do not act in isolation from top-down forces (Hunter, Varley &
Gradwell 1997; Denno et al. 2003). Through the removal of top predators, top-down
forces can also drive dramatic shifts in ecosystems (Pace et al. 1999). For example, a
marine study of a four-trophic-level system in the eastern Scotian Shelf found that
overfishing of cod resulted in cascading effects on lower trophic levels, releasing shrimp
and crap populations from predation and thus diminishing planktonic biomass (Frank et
al. 2005). The instigation of trophic cascades in terrestrial ecosystems as a result of land-
use change is also likely to be highly important, but evidence for these processes is still
lacking and this topic will require considerably more attention with increasing land-use
intensification (Gardner et al. 2009).

The conversion of natural to anthropogenically-dominated landscapes not only has
direct impacts on locally inhabitant species, but also increases the likelihood of species
spillover from neighbouring habitats (Rand, Tylianakis & Tscharntke 2006; Frost et al.
2014), as well as facilitating the expansion of invasive species (Didham et al. 2007). This
exchange of species can result in the emergence of novel interactions in altered
ecosystems, such as competition or predation, that further impact the structure and
functioning of communities (Tylianakis et al. 2008a). Aside from the mediating role of
species interactions on land-use impacts in multitrophic communities, land-use change
can also have important effects on species interactions that directly alter ecosystem
functioning (Chapin I11 et al. 2000). This has been shown in a Europe-wide study where
the long-term use of pesticides resulted in major declines in predatory invertebrates,
consequently reducing biocontrol of aphids in crop systems (Geiger et al. 2010).
Pollination mutualisms are perhaps one of the most economically important species
interactions because of their crucial role in the production of food crops, yet invertebrate
pollinators are currently facing global declines (Tylianakis 2013). These declines are
related to an array of driving factors, although anthropogenic land-use—particularly due
to pesticide application and agricultural intensification—is most likely one of the major
drivers of these declines (Kremen et al. 2007; Potts et al. 2010). In general, because of the
multitrophic impacts of land-use change on complex biological systems that are
interconnected by species interactions (Tylianakis et al. 2008a), the way that resources
are transferred throughout these systems will be strongly affected. Essentially, this

generalisation points to the fact that taking into account the multitrophic structure of
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ecological systems will be crucial for determining how land-use change will alter

biodiversity and related ecosystem functioning (Dobson et al. 2006; Reiss et al. 2009).

1.4  THE EFFECT OF CHANGING BIODIVERSITY ON ECOSYSTEM FUNCTIONING

Nearly a decade ago, Vitousek et al. (1997) proposed that the earth has been virtually
dominated by anthropogenic activities, resulting in the global alteration of important
ecosystem processes such as CO; sequestration and N fixation. Their review invoked the
concept that anthropogenic activities do not only impact ecosystems locally but also at a
global scale, thus highlighting the serious concern over the potential loss of ecosystem
services (i.e., ecosystem functions that are beneficial to human wellbeing). Land-use
change, in particular, threatens the provisioning of ecosystem services; for example,
through increases in carbon dioxide and nitrous oxide emissions, increased disease
transmission (DeFries et al. 2004), and reduced food security (Tscharntke et al. 2012a).
The growing body of evidence that human-induced global change alters ecosystem
processes and threatens human wellbeing has spurred on an intensive effort to understand
how ecosystem functions are lost in altered ecosystems (Cardinale et al. 2012). In the
1980s, concern over increasing rates of biodiversity loss prompted investigation of how
organisms alter and regulate ecosystem processes, leading to a general cognisance that
anthropogenically-driven species loss could severely compromise the provisioning of
ecosystem functioning (Cardinale et al. 2012). By the 1990s, these conceptual advances
had developed into a new field of ecological research aimed at understanding the
relationship between biodiversity and ecosystem functioning (BEF), thus marking the
advent of the BEF paradigm (Tilman, Isbell & Cowles 2014).

1.4.1 Mechanisms underlying biodiversity-ecosystem functioning relationships

By the turn of the century, a vast number of experimental studies had managed to
clearly identify the likely mechanisms underlying BEF relationships (Hooper et al. 2005).
These studies indicated that the ways in which biodiversity can alter functioning could be
divided into two major categories: how biodiversity regulates 1) stocks and fluxes of
energy, and 2) stability of ecosystem functions (Srivastava & Vellend 2005). These broad
categories can then be further broken down into the specific mechanisms that regulate

such phenomena. Regarding stocks and fluxes of energy, I will focus on two well-
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established general mechanisms; niche complementarity and identity effects (Hooper et
al. 2005). I will then briefly discuss the importance of biodiversity for the stability of
ecosystem functions.

Niche complementarity occurs when an increase in the number of species allows
for the partitioning of resources among these species, thus reducing competition and
allowing for greater resource assimilation of a given trophic level. This phenomenon was
shown to be a likely explanation for BEF relationships in a modelling study by Tilman et
al. (1997), where additional plant species resulted in greater community biomass
production when there were two resources available and competition was permitted. This
phenomenon is also known as ‘overyielding’, whereby primary production in
multispecies systems yields greater biomass than would be expected in an average
monoculture (Hooper et al. 2005). While the theoretical basis for niche complementarity
as an explanatory mechanism underlying BEF relationships is well established, this
mechanism has been rather challenging to demonstrate in experimental studies. However,
a laboratory study by Striebel et al. (2009) provided an excellent example of niche
complementarity in phytoplankton communities. Essentially, they found that with
increasing species richness of phytoplankton there was an increase in biomass. This is
because different phytoplankton species absorb different wavelengths of light, meaning
that in more diverse communities there is an overall increase in light absorption as these
different species are able to exploit different niches throughout the light spectrum, thus
increasing overall primary productivity. A more recent study by Hoehn et al. (2008) used
an agricultural field experiment to test for spatial niche complementarity in pollinator
organisms. In this study, they found that more pollinator functional groups led to greater
overall pollination rates of pumpkin flowers because different species of pollinators tend
to fly at different heights. As a result, higher pollinator functional diversity led to greater
exploitation of the flowers that were distributed across a range of heights, demonstrating
complementary use of resources within pollinator communities. Both of these studies
clearly suggest that niche complementarity relies on trait differences within species
assemblages, but also importantly depends on resource heterogeneity, which allows for
the partitioning of different resources within trophic levels (Tylianakis et al. 2008b).
Therefore, niche complementarity might be less often observed in simpler systems with
fewer species and less resource niches.

In contrast to niche complementarity, identity effects can occur without

necessarily observing changes in species richness. Essentially, identity effects refer to
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disproportionate effects of particular species on ecosystem functioning, whereby the
inclusion or removal of such species in a community will result in disproportionate gains
or losses in rates of functioning (Hooper et al. 2005). The importance of identity effects
first started receiving considerable attention when it was realised that biodiversity effects
found in some early BEF experiments were probably a result of the confounded selection
of competitively dominant and highly productive species (Huston 1997). More
specifically, it was discovered that in these BEF experiments where diversity was
manipulated—either through the random selection of species from a larger species pool,
or through the removal of species by inducing competitive exclusion through fertiliser
application (e.g., Naeem et al. 1994; Tilman, Wedin & Knops 1996)—there was an
increased probability of selecting competitively dominant and/or highly productive
species, resulting in higher overall biomass production. Therefore, this experimental
phenomenon has been called the ‘sampling effect’ or the ‘selection probability effect’
(Hooper et al. 2005; Srivastava & Vellend 2005). Interestingly, these experimental
mishaps shed new light on the likely importance of species differences and community
composition, generating a new line of investigation into how species’ identities alter BEF
relationships. One such early study demonstrated that, while species richness was still
positively correlated with biomass production in experimental plant communities, the
BEF relationship was highly dependent on the presence of leguminous species (Symstad
et al. 1998). Identity effects have since been suggested to hold great importance for the
functional stability of ecosystems in cases where there might be positive covariance
between the vulnerability of species and their functional importance. For example,
Larsen, Williams & Kremen (2005) demonstrated that larger-bodied dung beetles and
pollinating bees are more functionally important (due to higher dung removal and
pollinating capabilities compared to smaller-bodied species), but are also more prone to
anthropogenic disturbances. Therefore, they suggested that ecosystems may be at risk of
rapid collapses in ecosystem functioning due to non-random loss of the most functionally
important species following anthropogenic disturbances.

Aside from demonstrating that biodiversity could increase the assimilation of
resources and production of biomass, there is also strong evidence for the positive effect
of biodiversity on the stability of ecosystem functioning (Tilman et al. 2014). The idea
that diversity begets stability is not a recent one, and was most notably proliferated by
Charles Elton (1958) who suggested that more speciose communities were less prone to

invasion by exotic species. In BEF research, species richness has been suggested to
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positively affect the stability of ecosystem functioning through two major mechanisms:
the redundancy of functionally similar species and the temporal asynchrony of
functionally similar species (Hooper et al. 2005; Srivastava & Vellend 2005). The
insurance hypothesis proposes that with increasing species richness of functionally
similar species (species within the same trophic level or functional group), the
provisioning of ecosystem functioning should be more robust to ecological perturbations
because of the redundancy of these functionally similar species. For example, Yachi &
Loreau (1999) demonstrated that more species led to greater stability of biomass
production in model communities subjected to a fluctuating environment. This occurred
because if certain species reduced their productivity, others were able to take their place
and maintain constant overall ecosystem productivity. Additionally, in ecosystems where
rare species are functionally redundant (i.e., many rare species are present that carry out
similar ecosystem functions), this would allow for the loss of more species before such a
shared ecosystem function would entirely collapse (Naeem & Wright 2003). This
phenomenon has been demonstrated in South American plant communities where it was
shown that in high diversity communities, 75% of the species could potentially go extinct
before entire functional groups were lost (Fonseca & Ganade 2001). The asynchrony of
species can also promote functional stability through the so-called ‘portfolio effect’,
whereby more speciose communities have more differently fluctuating populations. As
such, when certain species are reduced in abundance, it is more likely that other species
will have higher abundances and thus maintain total ecosystem productivity in high-
diversity communities (Isbell, Polley & Wilsey 2009). In contrast to the insurance
hypothesis, the portfolio effect confers temporal stability of the provisioning of ecosystem
functioning, such as the maintenance of primary productivity, through the asynchrony of

species’ abundances.

1.4.2 Biodiversity-ecosystem functioning relationships in real ecosystems

Since the beginnings of BEF research in the 1990s, there has been a proliferation
of studies that both support and dispute the causal relationship between biodiversity and
ecosystem functioning (Balvanera et al. 2006). In particular, there has been general
concern that the experimental studies which gave rise to much of the theoretical
foundations of BEF research provide little application to the real world (Duffy 2009).
However, in the past decade there have been considerable advancements and important
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conceptual shifts in the way that BEF research is carried out in order to better incorporate
ecological realism into the development of BEF theory (Reiss et al. 2009).

One such advancement has been the shift toward incorporating species traits into
BEF experiments. Originally, identity effects were seen as a mechanism that drives
idiosyncratic responses of ecosystem functioning to species diversity (Emmerson et al.
2001) and have even been suggested as a departure from BEF questions (Bengtsson
1998). On the contrary, if taxonomic identities are translated into trait identities that can
be measured on a continuous scale, such trait-based approaches to BEF research can be
very powerful and can help to explain seemingly idiosyncratic BEF relationships (Reiss et
al. 2009). In particular, the use of functional diversity (rather than taxonomic diversity)
has been suggested as a strong predictor of ecosystem functioning (Diaz & Cabido 2001;
Flynn et al. 2011). This is because functional diversity is a description of biodiversity
based on functionally important characteristics of organisms, thus providing a better
compositional representation of communities and taking into account species identities as
well as total number of species (Petchey & Gaston 2006). In a recent investigation of the
relationship between functional traits and ecosystem functioning, Gagic and colleagues
(2015) found that functional diversity and community trait means were much better
predictors of ecosystem functioning than species diversity across a range of invertebrate
taxa and their associated ecosystem functions. Another recent study furthered these ideas
by experimentally manipulating functional diversity of multitrophic estuarine
communities, showing that multiple ecosystem functions were better explained by
functional diversity than taxonomic diversity and that increased functional diversity gave
rise to higher rates of functioning via niche complementarity and identity effects
(Lefcheck & Duffy 2015). In addition to demonstrating the importance of trait variability
for BEF research, Lefcheck & Duffy (2015) also highlight the growing awareness for the
importance of taking into account multiple ecosystem functions that arise from
multitrophic systems in BEF studies.

As discussed previously, different species are distributed over many different
trophic levels and thus assimilate different resources in their environment. As a result, in
real-world ecosystems there is a vast diversity of ecosystem functions carried out by
different organisms at different trophic levels (Cardinale et al. 2006). From these
concepts, there has recently been a strong development of the idea that biodiversity can
predict ‘multifunctionality’, or the provisioning of multiple ecological functions (Reiss et

al. 2009). For example, Hector & Bagchi (2007) presented a compelling analysis of the
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effects of species diversity on multifunctionality, showing that with increasing species
richness there is a general increase in the number of different ecosystem functions carried
out in a given system. These findings were further extended to show that as more
ecosystem functions are considered, the importance of biodiversity for ecosystem
multifunctionality increases, suggesting that previous studies focusing on individual
functions may have grossly underestimated the role of biodiversity on ecosystem
functioning (Lefcheck et al. 2015). One issue with the concept of ecosystem
multifunctionality has been the development of indices that can be used to encompass a
wide range of ecosystem functions. Until recently, studies investigating multifunctionality
have used contrasting measures that often do not provide a clear indication of the value of
ecosystem functioning (Byrnes et al. 2014). While an ecosystem multifunctionality
approach is a promising direction for taking into account multiple functions in BEF
research, this approach is still in its infancy and has yet to be clearly developed into a
widely applicable method for assessing biodiversity effects on ecosystem functioning.
Another less explored avenue of BEF research is the use of species interactions to
quantify ecosystem functioning. Essentially, most ecosystem functions such as carbon
production, nutrient uptake, and denitrification, are properties that emerge from the
interactions of organisms with their resources or other species (Chapin 11 et al. 2000;
Reiss et al. 2009). Early work by de Ruiter et al. (1993, 1994) introduced a highly
promising way of modelling nutrient cycling based on the trophic interactions of soil food
webs. Specifically, they suggested that the feeding rate (and thus material uptake) of soil
organisms is not only dependent on their biomasses but also on their efficiency of
resource uptake (how much energy is assimilated versus what is excreted) as well as the
natural and predation-dependent death rate of consumers. As such, this calculation of
feeding rates to estimate multitrophic energy flow and nutrient cycling provided a
measure of ecosystem functioning that is highly dependent on food-web structure.
Therefore, it presents a major step toward the incorporation of interaction network
structure into BEF research. Since this ground-breaking work, considerable attention has
been given to the importance of BEF research within the context of network theory
(Duffy et al. 2007). It is now more clearly recognised that trophic complexity, as found in
real-world ecosystems, is important for regulating the way that biodiversity is related to
ecosystem functioning (Duffy et al. 2007). Trophic cascades resulting from
anthropogenic disturbances provide direct examples of how trophic interactions can

greatly alter rates of ecosystem functioning (Pace et al. 1999). In addition to increasing
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trophic realism in BEF research, studies have begun to consider the importance of
different spatial scales (Cardinale et al. 2012), despite the difficulty in assessing BEF
relationships at the level of landscapes (Gagic et al. 2015). If we are to begin to
understand how the mechanisms underlying BEF relationships that have been identified
in experimental studies scale up to larger spatial scales, such as the landscape or regional
level, BEF research must be applied to such scales. For example, Chalcraft et al. (2004)
found that the relationship between species richness and plant productivity shifted from a
null or weak hump-shaped relationship at the local level to a strong hump-shaped
relationship at the regional level. This result indicates that the findings derived from the
plethora of small-scale, experimental BEF studies may contradict those from larger-scale
studies. Certainly, one of the greatest challenges and, indeed, most exciting avenues
currently on the horizon for BEF research is the incorporation of trophic complexity and
simultaneous quantification of multiple ecosystem functions at large spatial scales in

complex, real-world ecosystems (Reiss et al. 2009).

1.5 RESEARCH OBJECTIVES AND CHAPTER OUTLINE

In the research chapters of this thesis, | address how land-use change alters taxonomically
diverse multitrophic communities and how this leads to changes in the rates and stability
of ecosystem functioning. | then delve into the underlying mechanisms that determine
spatial variation in rates of multitrophic ecosystem functioning. Overall, this thesis aims
to present an advancement in our understanding of how species interactions mediate the
impacts of land-use change on ecosystems and how variation in biodiversity of
multitrophic communities is responsible for real-world variation in ecosystem functioning
carried out by trophically complex communities. In order to investigate these objectives, I
predominantly utilise data from the large-scale collaborative research initiative, EFForTS
(CRC990), within the subproject entitled “Structure, stability and functioning of
macroinvertebrate communities in rainforest transformation systems in Sumatra
(Indonesia)”, comparing macroinvertebrate communities among tropical agricultural
land-use systems of varying intensities (from rainforest to monoculture plantation
agriculture). In Chapter 5, I also draw on data from within a large collaborative research
project in Germany, the Biodiversity Exploratories, in order to compare biodiversity-

ecosystem functioning patterns between tropical and temperate ecosystems.

18



To establish the role of species interactions in mediating the impacts of land-use
change on multitrophic systems, In Chapter 2 | investigate whether land-use change
imposes predominantly direct effects across trophic levels or if the effects are indirect via
bottom-up trophic cascades. Firstly, | develop two distinct hypotheses of how land-use
change impacts multitrophic systems: 1) the direct land-use effects hypothesis, and 2) the
cascading land-use effects hypothesis. To test these hypotheses, | gather biomass and
species richness data from various subprojects within the EFForTS project including
plants, soil microbes, litter macroinvertebrates, arboreal ants, and birds that span a total of
five trophic levels, and also gather abiotic data including soil and microclimatic
parameters. Then, using structural equation modelling, I test for the presence of bottom-
up trophic impacts versus direct effects of land use on these different taxa and trophic
levels. From this taxonomically and trophically broad structural equation model, |
evaluate the relative importance of direct versus bottom-up cascading effects at different
trophic levels. In summary, by combining a multitrophic food web perspective with the
use of structural equation modelling, | effectively disentangle the way in which complex
ecosystems respond to tropical land-use change.

While Chapter 2 aims to shed light on the importance of species interactions for
mediating changes in biomass and biodiversity of multitrophic systems subjected to land-
use change, it raises the question of what consequences such alterations to multitrophic
communities have for ecosystem functioning. In Chapter 3, I investigate how land-use
change alters biodiversity of litter macroinvertebrate communities and how the
functioning of these communities is altered as a result. Because these litter
macroinvertebrate communities encompass a range of taxa that belong to different trophic
levels, | use a combination of food-web theory and metabolic theory to develop a singular
measure of multitrophic ecosystem functioning, energy flux, that can be analytically
calculated for sampled communities. I then relate changes in species richness with whole-
community energy fluxes among land-use systems of varying intensities to determine
whether biodiversity-ecosystem functioning relationships are dependent on the land-use
context, as well as looking for evidence of functional redundancy in these multitrophic
systems.

In addition to how land-use change alters rates of multitrophic ecosystem
functioning, | set out to investigate how vulnerable litter macroinvertebrate communities
in these tropical land-use systems are to the collapse of entire ecosystem functions.

Therefore, in Chapter 4, | test for the impacts of land-use change on the functional
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stability and resilience of litter macroinvertebrate communities in order to understand
how likely these communities are to lose whole ecosystem functions. To test this, | use
measured functional traits including body size, mobility, feeding type, and eusociality to
calculate functional diversity. Furthermore, |1 divide the macroinvertebrate communities
into distinct functional groups based on the importance of these traits for species
responses to environmental stressors (response traits) as well as their importance for
influencing ecosystem processes (effect traits). | then calculate the level of trait variability
within each functional response group (response diversity) as a measure of functional
resilience, as well as the number of species within each functional effect group
(functional redundancy) as a measure of functional stability. Finally, | test for differences
in response diversity and functional redundancy among different land-use types in order
to ascertain whether the functional resilience and stability of these communities is
reduced with increasing land-use intensification.

Building on the establishment of how land-use change alters multitrophic
communities via species interactions and the consequences of these effects for the
provisioning and stability of multitrophic ecosystem functioning, in Chapter 5 I aim to
determine the underlying mechanisms that give rise to variation in rates of ecosystem
functioning. Specifically, | posit that rates of energy flux in multitrophic communities are
likely to vary significantly through space and also across environmental gradients.
Furthermore, | identify four major hypotheses derived from BEF theory that propose how
spatial turnover in community attributes will drive spatial variation in ecosystem
functioning: 1) the species identity hypothesis, 2) the species richness hypothesis, 3) the
niche complementarity hypothesis, and 4) the total biomass hypothesis. To test these
hypotheses in concert, | use a structural equation modelling framework based on distance
matrices to determine how spatial and environmental distance drive turnover in four
associated community attributes: species composition, species richness, functional
diversity, and biomass. In doing so, this chapter identifies the mechanisms that mediate

rates of ecosystem functioning in multitrophic communities through space.
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Chapter 2

Tropical Land-Use Intensification Imposes Direct and
Cascading Impacts Across Taxa

Andrew D. Barnes, Kara Allen, Marife D. Corre, Holger Kreft, Yann Clough, Malte
Jochum, Edzo Veldkamp, Rolf Daniel, Kevin Darras, Lisa Denmead, Noor Farikhah
Haneda, Dietrich Hertel, Alexander Knohl, Martyna M. Kotowska, Syahrul Kurniawan,
Ana Meijide, Katja Rembold, Walesa Edho Prabowo, Dominik Schneider, Teja
Tscharntke, and Ulrich Brose

2.1 SUMMARY

Land-use change is driving rapid declines in global biodiversity, with the most drastic
foreseen consequences in the tropics (Newbold et al. 2015). The conversion of tropical
forests to rubber and oil-palm monocultures (Gibbs et al. 2010; Koh et al. 2011; Wilcove
et al. 2013) impact a large range of taxa across whole food webs (Tylianakis et al.
2008a), with severe consequences for biodiversity and ecosystem functioning (Foster et
al. 2011). It remains unknown, however, if these responses are driven by direct land-use
effects or by bottom-up trophic cascades (Kagata & Ohgushi 2006; Gardner et al. 2009).
Combining data from a multi-taxa research initiative in Indonesia, we test for direct land-
use effects (i.e., that directly affect each trophic level) versus cascading land-use effects
(i.e., mediated by bottom-up trophic interactions) across multitrophic communities. Here,
we show that 90% of land-use impacts on plants and belowground taxa at lower trophic
levels are direct, with 67% of these effects driving severe declines in biomass and
diversity. In contrast, 70% of all land-use impacts at the highest trophic levels of
invertebrates and birds are bottom-up controlled. We demonstrate that the impacts of
tropical land-use intensification alternate from direct to cascading trophic effects with
increasing trophic level, collectively driving large-scale ecological shifts. Clear strategies
for preventing ecological collapses in human-altered tropical landscapes will rely on the
incorporation of species interactions to inform conservation management at different

trophic levels.
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2.2 INTRODUCTION

Anthropogenic activities have altered most of the earth’s ecosystems (Vitousek et al.
1997), largely through the expansion and intensification of agricultural landscapes for
food production and biofuels (Foley et al. 2005; Laurance et al. 2014). In tropical regions,
which harbour exceptionally high levels of biodiversity (Connell 1978; Basset et al.
2012), the conversion of rainforest to monoculture cash crops, such as oil palm and
rubber, is currently the greatest threat to global biodiversity (Li et al. 2007; Fitzherbert et
al. 2008; Wilcove et al. 2013; Laurance et al. 2014). This threat will almost certainly
worsen with rising global demands for food, fuel and fibre (Koh & Ghazoul 2008).
Recent studies have shown that these monoculture systems are associated with reduced
biodiversity across multiple trophic levels (Foster et al. 2011), leading to impaired
ecosystem functioning (Allen et al. 2015; Kotowska et al. 2015). Temperate and tropical
research has long focused on how human land use directly affects one or two trophic
groups (e.g., plants, birds or butterflies), without considering indirect effects via bottom-
up forces. In recent years, though, more attention has been turned toward quantifying
land-use impacts on multitrophic systems (Tylianakis et al. 2008a). These studies
effectively demonstrate that multitrophic interactions underlie the provisioning of
ecosystem functioning and that neglecting these interactions may lead to biased inference
on the extent of land-use consequences. Until now, however, research has been
predominantly restricted to few trophic levels (Tylianakis et al. 2008a), without causal
tests of cascading effects through multiple trophic levels across many higher-level taxa
(Gardner et al. 2009; Tscharntke et al. 2012b). This research gap creates uncertainty
about whether land-use impacts propagate upward through multiple trophic levels to the
top of food chains directly (Figure 2.1a) or indirectly via trophic cascades (Figure 2.1Db).
In order to grasp the scale of ecological change in altered tropical landscapes and
to understand the mechanisms driving these changes, a multi-taxa whole-ecosystem
approach is needed. In recent years, experimental research that manipulates plant
diversity and composition has elucidated how primary producers influence the structure
of food webs via bottom-up trophic cascades (Denno et al. 2002; Scherber et al. 2010;
Narwani & Mazumder 2012; Borer et al. 2012; Ebeling et al. 2014), demonstrating that
organisms at lower trophic levels are key to understanding how whole ecosystems are
structured. This notion has crucial implications for the way that land-use intensification

will impact ecosystems and how such impacts will be most effectively assessed and
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mitigated. If theory suggests that the alteration of plant diversity and biomass should
impose strong bottom-up trophic cascades (Haddad et al. 2009; Scherber et al. 2010;
Borer et al. 2012), these trophic cascades may be more important than the direct impacts
of management practices in intensified land-use systems. On the one hand, direct land-use
effects could dominate through cases such as pesticide application imposing direct toxic
effects on invertebrates and microbes, or regular disturbance of nesting birds in
intensively managed plantations (Figure 2.1a). In contrast, cascading effects could prevail
for heterotrophic consumers that may be strongly impacted by the depletion of their
resources; an effect that could propagate from altered plant communities (Figure 2.1b). A
clear understanding of these processes is critical for discerning the drivers of biodiversity
decline and functional loss in anthropogenic landscapes, as well as being essential for

making informed conservation management decisions across trophic levels.

a Direct land-use effects b Cascading land-use effects

Micro-
climate

Micro-
climate

Arboreal ants Plants

Land use ’

Litter macro- ‘ Litter macro-
invertebrates ’ invertebrates
Soil ) %

Soil microbes Soil microbes

Figure 2.1: Two alternative hypotheses for how land-use change will alter whole ecosystems. The
direct land-use effects hypothesis (a) assumes land-use intensification will directly impact all
taxonomic groups, irrespective of any bottom-up trophic effects. The cascading land-use effects
hypothesis (b) assumes that all impacts of land-use intensification on biota at higher trophic levels
will propagate via bottom-up processes. Effects are grouped into land-use effects (brown), abiotic
effects (blue), and biotic effects (green).

Here, for the first time, we develop and test distinct hypotheses for the direct
(Figure 2.1a) versus cascading (Figure 2.1b) effects of anthropogenic land use, employing

a structural equation modelling framework to construct broad-scale food webs that
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include taxa ranging from microbes to birds. Using data from an extensive multi-taxa
research initiative, we sampled species richness (hereafter, diversity) and biomass of
plants, bacteria, archaea, litter invertebrates, arboreal ants, and birds (Supplementary
Table 2.1) in lowland forest, jungle rubber, rubber monocultures, and oil palm
monocultures in Sumatra, Indonesia (Supplementary Figure 2.1). Additionally, we
created composite variables of ‘soil organic matter’, ‘nutrient availability’, and
microclimatic variability (hereafter, ‘microclimate’) from soil properties and variability in
atmospheric and soil microclimate using principal components analysis (PCA). All
variables were standardised by subtracting their means and dividing by twice their
standard deviations to allow direct comparisons of effect sizes (Gelman 2008). To test for
direct (Figure 2.1a) versus indirect cascading land-use effects (Figure 2.1b), we
constructed generalised multilevel path models (a form of structural equation modelling)
(Shipley 2009), allowing for direct and interactive effects of land use with abiotic
variables and only allowing for biologically relevant bottom-up trophic effects among

biotic variables (Supplementary Figure 2.2).

2.3 METHODS

2.2.1 Study site and sampling design

The study was carried out in Jambi Province, Sumatra, Indonesia. Study sites were
located within two landscapes in Jambi Province: the Harapan landscape (1° 55° 40” S,
103° 15’ 33” E, elevation of 70 =4 m above sea level [asl]) and the Bukit Duabelas
landscape (2° 0> 57 S, 102° 45° 12” E, at an elevation of 75 + 4 m asl) (Supplementary
Figure 2.1). The mean annual temperature is 26.7 £ 1.0 °C and mean annual precipitation
is 2235 £ 385 mm (1991-2011; climate station at the Jambi Sultan Thaha airport of the
Indonesian Meteorological, Climatological and Geophysical Agency). Natural vegetation
in the region is composed of mixed Dipterocarp forests (Kotowska et al. 2015). The soils
in the two landscapes are classified as Acrisol soils, which comprises 49.9% of the land
area in Sumatra and are the dominant soil type in the study area (FAO et al.). The soil
texture is the main difference between the two landscapes in terms of soil physical
characteristics, with predominantly clay Acrisol soils found in Bukit Duabelas and loam
Acrisol soils found in Harapan (Allen et al. 2015).

26



Four land-use systems common to the region were examined: primary degraded
forest (Margono et al. 2014), jungle rubber, rubber monoculture, and oil palm
monoculture. In each landscape, four 50 m x 50 m replicate plots per land-use type were
selected with a minimum distance of 200 m between plots (n=32; Supplementary Figure
2.1). A 10 m x 10 m grid was established across each replicate plot, and five randomly
selected 5 m x 5 m subplots were established within each plot, where the majority of the
sampling activities took place. The primary degraded forest sites were located within two
protected areas, Bukit Duabelas National Park and the Harapan Rainforest, and represent
the least influenced system. Jungle rubber (extensively managed rubber agroforest with a
high density of native trees) represented a low-impact agroforestry system (Gouyon,
Foresta & Levang 1993), while the rubber and oil palm plantations served as intensively-
managed monocultures. Intensity of management practices varied between the rubber and
oil palm systems. Soil amendments, such as fertilization and liming, only occurred in the
oil palm plantations either once or twice per year, dependent on smallholder preference.
Both chemical and manual weeding took place throughout the year in rubber and oil palm
plantations. Labour was more intensive in the rubber plantations, which required manual
tapping on average three days per week, while harvesting of oil palm fruits occurred

biweekly (Euler et al. unpublished data).

2.2.2 Soil characteristics

Soil sampling was conducted between June 2013 and December 2013. Soil
samples for soil biochemical analysis were collected from ten randomly selected points
located at least 5 m distance from the plot’s border within each 50 m x 50 m replicate
plot. Soil samples were taken from the top 0.1 m soil depth, within an area of 0.4 m x 0.4
m at each point. The soil had no organic layer but only a thin litter layer, and this was
removed in order to sample predominantly mineral soil. Soil biochemical characteristics
for each replicate plot were represented by the average of the ten individual subplots. Soil
samples were air dried and sieved (2 mm) at the University of Jambi, Indonesia and sent
to the Soil Science of Tropical and Subtropical Ecosystems (SSTSE) laboratory at Georg-
August University Gottingen, Germany for analysis. Soil pH (H,O) was analysed ina 1:4
soil-to-water ratio. Soil organic C (SOC; kg C m®) and total N (g N m™) concentrations
were analysed from air-dried, sieved (2 mm) and ground samples using a CN analyser
(Vario EL Cube, Elementar Analysis Systems GmbH, Hanau, Germany). Air-dried and

sieved soils were used to determine effective cation exchange capacity (ECEC; mmol, kg’
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1) by percolating with unbuffered 1 mol L™ NH,CI, and cations (Ca, Mg, K, Na, Al, Fe,
and Mn) were measured in percolates using an inductively coupled plasma-atomic
emission spectrometer (iICAP 6300 Duo VIEW ICP Spectrometer, Thermo Fischer
Scientific GmbH, Dreieich, Germany). Base saturation was calculated as percent
exchangeable base cations of the ECEC. Extractable P (g P m™) was determined using the
Bray 2 method, which is used for acidic tropical soils (Bray & Kurtz 1945). For **N
natural abundance signatures (5°N ; %q), the ten subsamples from each replicate plot
were composited, ground and analysed using isotope ratio mass spectrometry (IRMS;
Delta Plus, Finnigan MAT, Bremen, Germany).

Soil texture (% sand, % silt and % clay) was measured using the pipette method
(Gee & Bauder 1986) from soil cores taken in the top 0.1 m soil depth from soil profiles
dug at three of the four replicate plots per land-use type (n=24). The core method was
used to measure soil bulk density for the top 0.5 m soil depth from two of the randomly
assigned subplots (Blake & Hartge 1986). Soil bulk density (g cm™) for each replicate
plot was represented by the mean of the two individual subplots. Soil moisture (%) was
measured using moisture sensors (IMKO Trime-PICO, Ettlingen, Germany) recorded
every hour with a data logger (see Microclimatic variability). Soil sampling was
conducted using the collection permits 2703/IPH.1/KS.02/X1/2012 and S.13/KKH-2/2013
recommended by the Indonesian Institute of Sciences (LIPI) and issued by the Ministry of
Forestry (PHKA).

2.2.3 Microclimatic variability

Weather stations were installed in the centre of each of the 32 replicate plots. They were
equipped with thermohygrometers (Galltec Mella, Bondorf, Germany) placed at a height
of 2 m to record air temperature (°C) and humidity (%) inside the canopy, and soil
sensors (IMKO Trime-PICO, Ettlingen, Germany) at 0.3 m depth, to monitor soil
temperature (°C) and moisture (%). Both sensors were connected to a data logger
(LogTrans16-GPRS, UIT, Dresden, Germany) and measured every hour. The 5™ and 95"
percentiles, from data available for the period June 2013 to October 2014, for air
temperature, humidity and soil temperature were used to calculate ranges for each
variable. Climate data were collected using the research permits 389/FRP/SM/11/2013 and
05/EXP/SIP/FRP/SM/11/2014 recommended by the Indonesian Institute of Sciences
(LIPI).
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2.2.4 Plant diversity, above- and below-ground biomass

In each replicate plot, all trees with a diameter at breast height (DBH) > 10 cm
were identified and measured (spatial position within the plot, height, DBH, crown
structure). All vascular plant individuals growing within the five subplots were identified
and measured (height). Whenever possible, herbarium specimens were prepared from
three individuals per species for identification and were later archived at several
Indonesian herbaria (Herbarium Bogoriense, BIOTROP Herbarium, UNJA Herbarium,
Harapan Rainforest Herbarium). All individuals measured on the plots were identified to
morphospecies based on consistent morphological characteristics. Vascular plant
sampling was conducted using the collection permit 2266/1T3/PL/2013 recommended by
the Indonesian Institute of Sciences (LIPI) and issued by the Ministry of Forestry
(PHKA). Plant diversity was calculated as total sampled species richness within each
replicate plot.

Within each replicate plot, all trees, palms and lianas with DBH > 10 cm (DBH at
1.3 m) were tagged. The DBH was measured using measuring tape (Richter Measuring
Tools, Speichersdorf, Germany) and total height was recorded using a Vertex Il height
meter (Haglof, Langsels, Sweden). Wood density values (dry mass per fresh volume in kg
m3) were measured for extracted cores of 204 trees. The interpolated wood density
values were applied on the remaining trees based on a calibration equation with pin
penetration depth measured using a Pilodyn 6J wood tester (PROCEQ SA, Zirich,
Switzerland). Additionally, forest understory trees with a diameter of 2 — 9.9 cm were
inventoried as described above, within two subplots in each replicate plot. To convert the
recorded tree structural data into above-ground plant biomass (AGB; Mg ha™), the
allometric equations developed by Chave et al. (2005) for all forest trees, Wauters et al.
(2008) for rubber trees, Asari et al. (2013) for oil palms and Schnitzer et al. (2006) for
lianas were applied.

To calculate coarse root and root stock biomass (below-ground plant biomass; Mg
ha™), we used the allometric equations developed by Niiyama et al. (2010) for forest
trees, Wauters et al. (2008) for rubber trees and Syahrinudin (2005) for oil palm trees. We
added our measurements of small-diameter (< 2 mm) root biomass to the calculated total
biomass. Fine root biomass was measured using 10 vertical soil cores (3.5 cm in
diameter) down to 0.5 m soil depth, including the organic layer, in each replicate plot. All

fine root segments longer than 1 cm were extracted by washing over a sieve of 200 um
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mesh size (Retsch, Haan, Germany) and separated under a stereomicroscope into live
(biomass) and dead fractions (necromass).

Woody coarse debris was analysed within all forest and jungle rubber plots (all
woody coarse debris is cleared regularly from monoculture rubber and oil-palm
plantations so was not measured at these plots), where snags (DBH > 10 cm) and logs
(mid-point diameter > 10 cm, length > 1 m) were also recorded. Three decay stages based
on Grove (2001) were used to characterise the woody debris. Biomass of the debris was
calculated using the equations by Kauffmann and Donato (2012) and by applying the
allometric equation by Chave et al. (2005) for calculation of AGB of undegraded trees.
Above- and belowground biomass sampling was conducted using the collection permit
2704/1PH.I/KS.02/X1/2012 recommended by the Indonesian Institute of Sciences (LIPI)
and issued by the Ministry of Forestry (PHKA).

2.2.5 Microbial diversity and biomass

Sampling of soils for microbial diversity (top 0.5 to 0.7 m) was carried out in
three of the subplots in each replicate plot. All samples were stored at -80°C until further
use. DNA was isolated by employing the PowerSoil DNA isolation kit as recommended
by the manufacturer (Dianova, Hamburg, Germany). Subsequently, 16S rRNA gene
amplicons of Bacteria and Archaea were generated from the isolated DNA as described
by Schneider et al. (2013). The resulting 16S rRNA gene datasets were processed and
analysed by employing QIIME 1.8 (Caporaso et al. 2010). Initially, sequences shorter
than 300 bp, containing unresolved nucleotides, exhibiting an average quality score lower
than 25, harbouring mismatches longer than 3 bp in the forward primer, or possessing
homopolymers longer than 8 bp and primer sequences were removed. Sequencing noise
and potential chimeric sequences were resolved by using Acacia (Bragg et al. 2012) and
UCHIME (Edgar et al. 2011) with RDP (Larsen et al. 1993) as reference datasets
(trainset10_082014 rmdup.fasta). Operational taxonomic unit (OTU) determination was
performed at a genetic divergence of 3% by using pick_open_reference_otus.py of the
QIIME 1.8 package using the Silva NR SSU 119 database version as a reference
(Caporaso et al. 2010; Quast et al. 2012). Taxonomic classification was performed with
parallel_assign_taxonomy_blast.py against the same database. Unclassified OTUs and
OTUs occurring as singletons (sequences observed fewer than 2 times), chloroplasts, and
extrinsic domains were removed. OTU tables were subsampled and comparisons were

performed at the same surveying effort (Bacteria 6.800 and Archaea 2.000 sequences per
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subplot). Diversity estimates were generated employing alpha_rarefaction.py. The 16S
rRNA gene sequences were deposited in the National Center for Biotechnology
Information (NCBI) Sequence Read Archive (SRA) under study accession number
SRP056374. Microbial diversity sampling was conducted using the collection permit
2701/1PH.1/KS.02/X1/2012 recommended by the Indonesian Institute of Sciences (LIPI)
and issued by the Ministry of Forestry (PHKA).

Microbial biomass C (mg C kg™*) was measured from soil cores sampled in two of
the randomly assigned subplots. The CHCI; fumigation-extraction method was followed
(Brookes et al. 1985; Davidson et al. 1989). A subsample of soil from a core was
extracted immediately with 0.5 mol L™ K,SO, (unfumigated) and another subsample was
fumigated with CHCI; for six days and then extracted (fumigated). Organic C in the
extracts was analysed by UV-enhanced persulfate oxidation using a Total Organic Carbon
Analyser (TOC-Vwp, Shimadzu Europa GmbH, Duisburg, Germany) with an infrared
detector. Microbial biomass C was calculated as the difference in extractable organic C
between the fumigated and unfumigated soils divided by k¢ = 0.45 for a six-day
fumigation period (Brookes et al. 1985). Microbial biomass sampling was conducted

under the same collection permits as those for the soil sampling above.

2.2.6 Litter macroinvertebrate diversity and biomass

In each of the replicate plots, three of the randomly assigned subplots were
sampled by sieving 1 m2 leaf litter through a coarse 2 cm mesh-width sieve. 7472
macroinvertebrates were hand-collected from the sieving samples and stored in 65%
ethanol. Specimens were identified to morphospecies and, based on morphology and
literature, assigned to one of four feeding guilds: omnivores, detritivores, predators and
herbivores. To assess sampling completeness, observed species richness was compared to
both extrapolated and rarefied species richness, which revealed that the mean estimated
sampling coverage was 56% and observed species richness was highly correlated with
extrapolated species richness (Supplementary Figure 3.2). As such, observed species
richness provided representative sampling of real species richness in these tropical
agricultural systems. For each of the 7472 animals collected, individual body lengths
were measured and then converted to fresh body mass using allometric length-mass
regressions from the literature (Supplementary Table 3.1a and b). Community biomass
(fresh mass in mg m™) was then calculated for each of the 32 sampled communities by

summing together all individual body masses calculated from length-mass regressions as
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derived from the individually measured body lengths. All organisms were collected based
on Permit No. 51/KKH-5/TRP/2014 issued by the Indonesian Institute of Sciences (LIPI)
and the Ministry of Forestry (PHKA).

2.2.7 Arboreal ant diversity and biomass

Plastic observation plates with two baits of 2 cm® of tuna in oil and two sponges
saturated with 70% sucrose solution attached were used to sample arboreal ant species
(Wielgoss et al. 2010). One plate was tied at breast height on two trees within all five of
the subplots in each replicate plot. If there were not two trees in a subplot (often the case
in oil palm plantations), the closest trees to the subplot were chosen. Sixty minutes after
placing the plates on the trees, the abundance of each ant species present on the plate was
recorded and a number of specimens were collected. Ant species abundance at a given
plot was defined as the mean of all recorded abundances in a plot. Surveys were
conducted in each replicate plot four times between November 2012 and February 2014,
between 9:00 am and 11:00 am. No sampling was conducted during or immediately after
rain due to a reduction in ant activity in wet conditions. All collected ants (Hymenoptera:
Formicidae) were identified to genus using published keys (Fayle, Yusah & Hashimoto
2014). We identified specimens to species level where possible and assigned the
remainder to morphospecies. Body length was measured on up to five individuals from
each species at each plot and, using a length-mass regression specific to ants (Gowing &
Recher 1984), an average body mass was calculated for each species. Ant community
biomass (mg fresh mass) for each site was calculated by summing the total biomass of
each species (abundance x average species body mass) present. Arboreal ant sampling
was conducted using the collection permit 11055/IT3/PL/2012 recommended by the
Indonesian Institute of Sciences (LIPI) and issued by the Ministry of Forestry (PHKA).

2.2.8 Bird diversity and biomass

Birds were sampled using point counts located in the centre of the replicate plots.
All birds detected visually and aurally within the plot were recorded for 20 minutes
between 6:00 am and 10:00 am in June to July 2013. The timing of bird data collection
alternated between early and late morning and all replicate plots were visited three times.
Individuals flying above the canopy were excluded and unfamiliar bird calls were
recorded using a directional microphone (Sennheiser ME66). The recordings were

compared with an available online bird call database (www.xeno-canto.org) for
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confirmation. Bird species identification in the field follows Mackinnon & Phillips®*, but
thereafter, species names were translated to Birdlife International nomenclature. Body
mass and feeding guilds for each bird species were retrieved from Wilman et al. (2014)
and assigned to each individual recorded. Bird species were divided into 3 main feeding
guilds: herbivores (granivores, nectivores, and frugivores), predators (insectivores), and
omnivores (insectivores and/or granivores, nectivores, and frugivores). Total biomass for
each replicate plot was calculated by summing together species-specific body sizes for all

individuals sampled.

2.2.9 Statistical analyses

To reduce the number of parameters in our models and avoid issues of
multicollinearity whilst maintaining as much variability in our predictors as possible,
composite variables were calculated using principal components analysis (PCA;
‘princomp’ function in R (R Core Team 2015) from soil, microclimatic, and plant
community parameters. Soil components were created using a combination of soil
biochemical properties and soil physical properties (Swaine 1996). Following Swaine
(1996), soil physical properties were first composited to create a soil physical component.
Including soil texture (% sand, % silt, % clay), soil bulk density, and soil moisture within
the soil physical component, the first principal component (PC1) accounted for 53.5% of
the total variation (Supplementary Figure 2.3a). The physical component PCA scores
from the PC1 were plotted against the soil physical variables with the highest loadings (>
0.400) in order to ascertain trends within the component (Supplementary Figure 2.3b). %
Sand had negative loading, and % clay and soil moisture had positive loadings
(Supplementary Figure 2.3a), illustrating that the lower PC1 scores represented coarser
textured drier soil conditions and the higher PC1 scores represented finer textured wetter
soil conditions (Supplementary Figure 2.3b).

The soil physical component was then combined with soil biochemical variables
(e.g. soil pH, SOC, total N, C:N ratio, extractable P, ECEC, base saturation and 815N)
(Swaine 1996) in a new PCA. Two composite variables were created representing the soil
conditions from the first (PC1) and second (PC2) principal components. PC1 and PC2,
combined, accounted for 57.2% of the total variation (Supplementary Figure 2.3a). Soil
PC1 was termed Nutrient Availability and reflects the level of acid and base cations in the
soil. The higher PC1 scores represented soil conditions with higher nutrient availability

and the lower PC1 scores represented soil conditions with lower soil nutrient availability
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(Supplementary Figure 2.3b). Soil PC2 was termed Soil Organic Matter, as the higher
PC2 scores represented soil conditions with higher SOC, lower soil pH, and less
decomposed organic matter (as evident by the lower 5"°N values) and the lower PC2
scores represented soil conditions with less SOC, higher soil pH, and more decomposed
organic matter. PC2 is also dependent on the agricultural management practices that took
place in the land-use systems in this study. Soil amendments such as liming and ash from
burning during conversion increased soil pH (Allen et al. 2015). Additionally, weeding,
herbicide use and harvest export reduced the organic matter input (Kotowska et al. 2015),
which in turn resulted in highly decomposed organic matter (i.e., higher 8N signatures).

Using ranges calculated from the 5™ and 95™ percentiles for air temperature,
humidity and soil temperature, a composited microclimate variable representing
Microclimatic Variability was created with a PCA. The PC1 axis accounted for 70.1% of
the total variation (Supplementary Figure 2.3a). Relationships between the microclimatic
variables and the PC1 scores illustrated that the PC1 scores were strongly positively
correlated with climatic variability (Supplementary Figure 2.3b).

Because plant diversity as well as above- and below-ground plant biomass were
highly correlated (90.36%; Supplementary Figure 2.3a), these variables could not be
reliably modelled together as predictors in our path model. Therefore, a composite
variable was constructed as described above, combining plant diversity, above- and
below-ground biomass in a PCA. The Plant Diversity and Biomass component (PC1)
accounted for 94.9% of the total variation and each individual variable was loaded
relatively equally (Supplementary Figure 2.3a and b). The Plant Diversity and Biomass
composite variable was clearly defined as the higher the PC1 score, the greater the plant
diversity, above- and below-ground biomass (Supplementary Figure 2.3b).

Due to the hierarchical layout of the sampling design, whereby replicate plots
were split between two different landscapes, as well as a need for the flexibility to test for
interactions between land use and abiotic variables, multilevel generalised path analysis
was employed (Shipley 2009). To construct such a model, first the basis set By of
independence claims that are implied by a directed acyclic causal diagram (i.e. a
unidirectional box-and-arrow diagram) was identified. To do so, all possible relationships
between predictor and response variables were identified. Specifically, direct and
interactive effects between land use and all abiotic variables on biotic response variables
for ecologically meaningful relationships were allowed for (see Supplementary Figure

2.2). Additionally, only likely bottom-up trophic effects among biotic variables were
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allowed for. Although top-down effects are also likely to play a role in structuring
multitrophic communities, here we specifically test for bottom-up effects because we
expected the impacts of land-use intensification to be most severe on plant and microbial
communities (Chapin 11 et al. 2000). By expresses the full set of independence claims
(i.e. pairs of variables in the acyclic model with no arrow between them) and implies
dependence claims (pairs of variables in the model with a causal arrow joining them).
These claims describe the p; probability that variable pairs (X;, X;) are independent
conditional on the variable set, Z, which is a direct cause of either X; or X;. The
probabilities p; for each of the k independence claims in By were identified using linear

mixed effects models. The combined p; of the full model was calculated as

k
C=-2) @
i=1

and the C value was then compared to a chi-square (%) distribution with 2k degrees of
freedom (Shipley 2009). The resulting probability, P, indicates whether the data depart
significantly from what would be expected under such a causal model(Shipley 2009). A
model is rejected if the resulting P-value is smaller than the specified a-level (in this case
a = 0.05). Therefore, if P > 0.05 the causal model is not rejected and provides a good fit
to the data.

Linear mixed effects models with random intercepts were fitted using the ‘nlme’
package in R 3.0.1 (R Core Team 2015), with ‘landscape’ (i.e., Bukit Duabelas and
Harapan locations) specified as a random effect. All variables were mean-centred by
subtracting the mean of a given variable from each value of that variable. Assumptions of
normality were tested by inspecting the variance structure of each model. As all
predictors in the model were mean-centred, unstandardised path coefficients could be
interpreted as the degree of change in the response variable for a given unit change in the
predictor. However, interaction terms are interpreted differently whereby the coefficient
indicates the amount of change in the slope of the regression of the response variable
against a predictor (in this case, land-use) following a unit change in the other interacting
predictor variable.

Model fit was assessed using the procedure for calculating R* values for
generalised linear mixed effects models as outlined by Nakagawa and Schielzeth (2013).

This directly indicates the proportion of total variation of endogenous variables explained
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by all significant predictors and their conditioning variables. Standardised coefficients, or
z-scores, were calculated to assess relative effect sizes of each predictor on endogenous
variables by dividing the mean-centred variables by twice their standard deviation
(Gelman 2008) so that effects were expressed in units of standard deviation. As such,
standardised effects can be directly compared and thus indicate the relative importance of

each path.

2.4 RESULTS AND DISCUSSION

Conversion of rainforest to rubber and oil palm agriculture imposed predominantly direct
impacts (90%) on plants, microbes and invertebrate primary and secondary consumers
(i.e. detritivores, herbivores, and omnivores) (Figure 2.2; Supplementary Table 2.2).
Direct land-use effects on lower trophic levels were stronger than those at higher trophic
levels, with relatively weaker direct effects on belowground omnivores and arboreal ants,
and almost no direct effects on predator groups (Figure 2.2). The majority of these direct
effects (67%) were negative and considerably higher in effect size than cascading trophic
effects (Figure 2.3a), driving a clear overall decrease in diversity and biomass with
conversion of forest to monoculture plantations (Figure 2.2, Supplementary Figure 2.4).
These direct effects of land-use intensification most likely result from the intensive
application of pesticides and fertilisers, disturbance of resource pools through the clearing
of leaf litter, and habitat fragmentation (Fitzherbert et al. 2008). In other studies, heavy
fertilisation has been clearly shown to reduce plant diversity and biomass through induced
competitive exclusion (Hautier et al. 2009), whereas fertilisation could possibly drive
increases in microbial diversity (Tripathi et al. 2012). Interestingly, the number of direct
land-use effects steeply declined with increasing trophic level (Figure 2.3b), indicating a

shift away from the direct land-use effects hypothesis higher in the food chain.
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Figure 2.2: Structural equation model testing the hypotheses of direct versus cascading land-use
effects in a tropical multitrophic system (y* = 266.4, df = 276, P = 0.65). Red and blue arrows
denote all significant negative and positive effects, respectively. Arrows ending in circular nodes
that intersect the arrows originating from land-use indicate a modification of these effects (i.e., a
significant interaction). Arrow widths are proportional to their absolute standardised effect sizes

(z-scores) (Supplementary Table 2.2).

Many of the direct land-use effects were moderated by abiotic variables. For

example, the negative impact of land-use change on plants was strengthened by soil

nutrient availability (Figure 2.2; Supplementary Table 2.2). This interactive effect is

derived from management practices, such as fertilisation (Allen et al. 2015), that generate
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high soil nutrient availability and drive even steeper reductions in plant diversity and
biomass (Hautier et al. 2009). The frequency of interactive effects of background
environmental variables with land-use intensification points to the importance of the
landscape context in moderating how severe land-use impacts will be. Despite this, the
strongest direct land-use effects acted independently of environmental variables (e.g., on
invertebrate detritivores and herbivores), indicating that the overall stronger impacts of
land-use intensification (Figure 2.3a) will often override potential interacting
environmental variables. Nevertheless, the novel combination of land-use intensification
and abiotic variables to explore bottom-up control in taxonomically broad multitrophic
systems aided us in explaining a high proportion of variation within our models (ranging
from 30% to 96%, Supplementary Table 2.2). This illustrates the importance of
accounting for abiotic effects and how they moderate anthropogenic impacts on
ecosystems as they likely propagate upward to higher trophic levels, contributing to the

structuring of entire ecosystems.
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Figure 2.3: Summary of effects in the structural equation model. ‘“Mean effect size’ is the within-
group means of the absolute standardised coefficients. ‘Number of effects’ shows the total
number of land-use, abiotic, and biotic effects at each trophic level, weighted by the number of
response variables within each trophic level. ‘Mean biotic effect size’ gives the mean effect size
of all bottom-up trophic effects at each trophic level.

All predatory groups were indirectly affected by land-use intensification (Figure
2.2), with 90% of effects on these groups propagating via bottom-up trophic cascades.
These cascading effects can be explained by strong direct effects of land-use
intensification on biomass and diversity of lower trophic levels altering resource

availability for higher trophic levels. In stark contrast to direct land-use effects, biotic
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effects (i.e., trophic effects) increased dramatically in number from the lowest to highest
trophic levels (Figure 2.3b), clearly indicating a shift in importance from direct to
cascading land-use effects with increasing trophic level across a large range of taxa.
Interestingly, we found that the mean effect size of bottom-up trophic effects in our
model decreased from detritivores to invertebrate omnivores, and to predatory
invertebrates and birds (Figure 2.3c). This could be due to greater disturbances of food
resources at lower trophic levels (plants and soil microbes) compared with intermediate
trophic levels (invertebrate detritivores, herbivores, and omnivores) in higher-intensity
agricultural systems. However, this intriguing finding merits further experimental
exploration as it could indicate when trophic cascades are likely to be more intense, and
how to avoid potentially catastrophic trophic collapses (MacDougall et al. 2013).

Surprisingly, the effects of plant biomass and diversity on vegetation-associated
trophic guilds (invertebrate herbivores and detritivores) were negative after controlling
for all other variables in our model (Figure 2.2; Supplementary Table 2.2). When the
effects of plants on these trophic guilds were analysed without land use as a covariable,
however, we found an overall positive effect of plant communities on the diversity of
litter invertebrate detritivores (but no significant effects on invertebrate herbivore biomass
and diversity) (Supplementary Figure 2.5). Interestingly, plant diversity and biomass had
a consistently positive effect on these taxa within the intensive oil palm plantations, but
generally negative or null effects in the less intensively managed systems. This finding
suggests that at low levels of plant diversity and biomass typically used in experimental
studies (Haddad et al. 2009; Scherber et al. 2010; Borer et al. 2012), the relationship
between plants and their consumers is most likely to be positive, but this could change
markedly at much higher natural levels of diversity, such as in tropical rainforests. These
findings could open interesting possibilities for future research into the role of plant
diversity on higher trophic levels in biodiversity experiments, calling for the challenging
task of incorporating real-world levels of species diversity.

We demonstrate that tropical land-use intensification drives large-scale ecological
shifts across trophic levels via direct management impacts and indirect cascading effects.
In essence, we find that as one moves upward in the food chain, land-use impacts shift
from strong and direct effects to weaker and indirect effects that cascade upward via
trophic interactions. At the bottom of the food chain, however, these direct impacts of
land-use change are often moderated by environmental variation, collectively

emphasising that ecosystems are highly complex and that human activities will yield
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equally complex consequences as ecosystems are altered. Amidst this complexity, the
employment of structural equation modelling provides a powerful framework for
summarising important effects of land-use intensification in complex systems. Our results
elucidate the importance of focusing on conservation strategies that take into account

shifting drivers of ecological change across the trophic spectrum.
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Chapter 3

Conseguences of Tropical Land Use for Multitrophic
Biodiversity and Ecosystem Functioning

Andrew D. Barnes, Malte Jochum, Steffen Mumme, Noor Farikhah Haneda, Achmad
Farajallah, Tri Heru Widarto, and Ulrich Brose

3.1 ABSTRACT

Our knowledge about land-use impacts on biodiversity and ecosystem functioning is
mostly limited to single trophic levels, leaving us uncertain about whole community
biodiversity-ecosystem functioning relationships. We analyse consequences of the
globally important land-use transformation from tropical forests to oil-palm plantations.
Species diversity, density, and biomass of invertebrate communities suffer at least 45%
decreases from rainforest to oil palm. Combining metabolic and food-web theory, we
calculate annual energy fluxes to model impacts of land-use intensification on
multitrophic ecosystem functioning. We demonstrate a 51% reduction in energy fluxes
from forest to oil-palm communities. Species loss clearly explains variation in energy
fluxes, but this relationship depends on land-use systems and functional feeding guilds,
whereby predators are the most heavily affected. Biodiversity decline from forest to oil
palm is thus accompanied by even stronger reductions in functionality, threatening to
severely limit the functional resilience of communities to cope with future global

changes.

3.2 INTRODUCTION

The transformation from natural ecosystems to agricultural land use and its continued
intensification has led to extensive losses in biodiversity and ecosystem services (Gibbs et

al. 2010) resulting in the degradation of human well-being (Diaz et al. 2006). The
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transformation of lowland tropical rainforest to oil-palm (Elaeis guineensis Jacg.)
plantations has gained more recent attention as an especially severe threat to tropical
biodiversity (Koh & Wilcove 2007; Gilbert 2012). In the last 25 years the total plantation
area of oil palm has tripled, with current global estimates of over 15 million hectares
(Gilbert 2012), making this crop one of the world's most rapidly expanding forms of
agriculture (Fitzherbert et al. 2008). It is now clear that the expansion of oil-palm
agriculture is one of the greatest causes of deforestation (Koh et al. 2011; Wilcove et al.
2013) and this threat appears to be increasing without respite as Indonesia, one of the
world's leaders in oil palm, makes plans to double production by 2020 (Koh & Ghazoul
2010). The rapid expansion of such large-scale land-use transformation raises questions
about the impending implications for biodiversity and ecosystem functioning in the
tropics.

Despite a broad consensus that biodiversity is positively correlated with
ecosystem functioning in controlled experiments (Hooper et al. 2005; Cardinale et al.
2006), there are few real-world examples of such biodiversity-ecosystem functioning
relationships (Otto et al. 2008; Foster et al. 2011). In fact, until now there have been no
studies that explore the relationship between biodiversity and ecosystem functioning in
ecosystems undergoing agricultural land-use transformation to oil palm. Thus, our
knowledge of this globally important land-use conversion is strongly limited.
Furthermore, over the past decade there have been important advances towards
multitrophic approaches in research investigating biodiversity-ecosystem functioning
relationships (Duffy 2002; Petchey et al. 2004; Cardinale et al. 2006; Schneider, Scheu &
Brose 2012; Schneider & Brose 2013). Despite these advances, however, we are still
substantially limited by the lack of clear approaches to quantify single measures of
ecosystem functioning that can be compared among any combination of trophic levels.
This has resulted in our inability to directly look at whole-community relationships
between entire species assemblages and the respective functional processes carried out in
these communities.

Here, we use the total energy flux between functional feeding guilds as a measure
of multitrophic ecosystem functioning, as many studies have suggested process rates,
such as energy fluxes, to be important proxies for ecosystem functioning (Duffy 2002;
Hooper et al. 2005; Srivastava & Vellend 2005). Depending on the resource pool that the
energy flux comes from, these fluxes can be directly related to ecosystem services such as

decomposition (de Ruiter et al. 1994; Handa et al. 2014), plant biomass production
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(Tilman, Reich & Knops 2006; Enquist et al. 2007), or biocontrol through predation
(Cardinale et al. 2003). These energy flux calculations are based on metabolic scaling
theory (Brown et al. 2004) and principles of food web energy dynamics (de Ruiter et al.
1994). Using individual metabolic rates that are dependent on body mass, environmental
temperature, and phylogenetic grouping (de Ruiter et al. 1994; Ehnes, Rall & Brose
2011), combined with resource-specific assimilation efficiencies (de Ruiter et al. 1993)
and energy loss to predation (de Ruiter et al. 1994), we present this energy flux
calculation as a unified measure of multitrophic ecosystem functioning (Figure 3.1).
Studies that incorporate diversity across trophic levels to test the relationship between
biodiversity and ecosystem functioning have predominantly used only biomass as the
measure of ecosystem function (Duffy et al. 2007). However, the metabolic activity and
thus the energy processing rates of these biomass pools can vary substantially. Integrating
over body mass, phylogeny and temperature with their constraints on metabolic rates, and
additionally taking into account assimilation efficiencies and loss to predation, our
measure of whole-community energy flux inherently incorporates not only biomass, but
also other important ecosystem attributes enabling the quantification of emergent
functional properties of ecosystems that would otherwise remain undetected. As such, our
measure of energy flux provides a comprehensive and robust measure of multitrophic
ecosystem functioning that can be utilised for modelling biodiversity-ecosystem
functioning relationships for any assemblage of taxonomic groups, whilst incorporating
multiple ecological functions.

In the tropical lowland rainforests of Sumatra, Indonesia, which have been
undergoing vast land-use transformation to oil palm (Koh et al. 2011), we quantify the
impacts of this transformation ranging from tropical secondary rainforest, jungle rubber,
and intensively managed rubber, to oil palm. We utilise data gathered from 32 sites on
Sumatra, Indonesia, comprising 2415 populations of 871 species. Firstly, we investigate
the biodiversity value of jungle rubber, conventional rubber, and secondary forest
compared to oil-palm agriculture by comparing observed species richness, density and
biomass of litter-associated macro-invertebrate communities across these systems.
Secondly, as a multitrophic measure of the rate of ecosystem processes carried out by
these communities, we calculate total solid fresh-mass energy flux in a system by
incorporating community metabolism (Ehnes et al. 2014), resource-specific assimilation
efficiencies and biomass loss to predation (de Ruiter et al. 1994) into whole-community

energy flux equations (Figure 3.1). This provides a quantitative measure of multitrophic
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ecosystem functioning, defined here as the total flux of energy from any resource pool to
consumer trophic levels. Additionally, this measure can be attributed to specific
functional feeding guilds within communities to look for patterns in ecosystem
functioning at different trophic levels. Using the energy-mass flow conversion (Peters
1983), we express energy flux as kilograms per hectare, per year, and explore the
relationship between total species diversity and energy flux, distinguishing among four
transformation systems to test for land-use dependent biodiversity-ecosystem functioning
relationships. Our results demonstrate strong losses in species diversity which in turn
predicts reductions in whole-community energy fluxes. However, these reductions are
strongest in oil-palm systems, suggesting that land-use conversion from forest to oil palm

causes disproportionally strong losses in multi-trophic ecosystem functioning.
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Figure 3.1: Energy fluxes along a conceptual food chain as a measure of multitrophic ecosystem
functioning. Energy flux between two nodes is calculated as , where F is the total energy flux into
the network node of a feeding guild (vertical red and yellow arrows), e, is the diet-specific
assimilation efficiency (denoted by diagonal arrows arising from the flux arrows), X is the per-
unit-mass metabolic demand of the feeding guild (which is non-linearly dependent on body sizes,
temperature, and phylogeny), and L is the loss to predation from the node (for the yellow node,
this is equal to the flux to the red secondary consumer node). Here, we demonstrate three
examples where changes in mean body size (size of black animal icons), biomass (diameter of red
and yellow circles), or phylogeny (black animal icons) on any trophic level (here, demonstrated
by the secondary consumer guild) can result in non-proportionally altered total energy flux (sum
of all arrow widths in the food chain).
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3.3 METHODS

3.3.1 Study site and sampling design

Sampling took place in the Jambi province of Sumatra, Indonesia, a region known as a
hotspot for biodiversity, but that has also already undergone extensive deforestation
(Sodhi et al. 2004; Wilcove et al. 2013). In the second half of the last century, Sumatra's
forests have experienced vast transformation to rubber and oil palm monocultures
(Wilcove & Koh 2010; Laumonier et al. 2010). This large-scale land-use conversion has
left Sumatra with a very limited area of natural forest mainly restricted to national parks
and even here, where logging has been reduced, it has not come to a complete halt
(Gaveau, Wandono & Setiabudi 2007). This severe and extensive land-use
transformation, that has progressed already further than in most other tropical landscapes,
makes Sumatra a unique and ideal example system for studying the impacts of land-use
conversion on biodiversity and ecosystem functioning.

We sampled secondary rainforest, jungle rubber, rubber and oil-palm systems,
replicated eight times across two landscapes (n = 32) (Supplementary Figure 3.1). Sites
were selected by first looking for landscapes in the Jambi province that still contained
secondary rainforest. Secondly, we identified all lowland areas with little or no slope and
then randomly selected two landscapes with 16 sites each. Among all of the 32 sampling
sites, we maintained a minimum distance of 120 m to insure independence of the epigaeic
invertebrate communities sampled. The secondary-forest regions lie within two protected
areas, Bukit Duabelas National Park and Harapan Rainforest, and represent the least
impacted land-use system. Jungle rubber—forest stands with a high percentage of rubber
trees that are still regularly harvested—represents a low-impact agroforestry system
(Gouyon et al. 1993). Rubber and oil-palm plantations serve as locally common
(Laumonier et al. 2010) high-impact monocultures. The 32 sites were carefully selected
so that they were all of a similar age and from equal elevations close to sea-level. All
agricultural systems (jungle rubber, rubber, oil palm) were treated and harvested by their

owners with intensities typical for the respective transformation system.

3.3.2 Animal sampling and calculation of response variables

Animal sampling took place between early October and early November 2012. All
organisms were collected based on Permit No. 51/KKH-5/TRP/2014 issued by the
Indonesian Institute of Sciences (LIPI) and the Ministry of Forestry (PHKA). In all 32 of
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the 50 x 50 m sites, we sampled once in each of three 5 x 5 m sub-plots by sieving the
leaf litter from 1 m2 through a coarse sieve of 2 cm width mesh. 7472 macro-invertebrates
were hand-collected from the sieving samples and stored in 65% ethanol. Specimens were
identified to morphospecies and assigned to one of four feeding guilds: omnivores,
detritivores, predators and herbivores, based on morphology and literature.

Because biodiversity studies always suffer from under-sampling and correlation of
sample size with species richness, we compared observed species richness to both
extrapolated and rarefied species richness, calculated in the 'vegan' package in R (R Core
Team 2015), to assess the accuracy of our species sampling effort. To extrapolate
sampled species richness, we used the non-parametric 2nd order jacknife estimator
(Brose, Martinez & Williams 2003) to calculate extrapolated species richness from the
three 1 m? sub-samples at each of the 32 sites, revealing an estimated mean sampling
coverage of 56% (SD of + 2.393%) making the 2™ order jacknife estimator the most
accurate extrapolation method (Brose et al. 2003). Additionally, we calculated sample-
based rarefaction, whereby rarefaction curves were calculated for each of the 32 sampled
sites and then cut off at the sample size of the smallest sample (40 individuals). Because
of the very high attrition of data during the rarefaction procedure (a total of 6192 out of
7472 individuals, or 83%, were removed), the rarefied species richness yielded very little
resemblance to observed species richness when comparing across transformation systems,
resulting in almost no pattern of rarefied richness among transformation systems
(Supplementary Figure 3.2). The jacknife2 extrapolated species richness, however, was
extremely closely correlated with observed species richness (Pearson's p = 0.993) patterns
among transformation systems (Supplementary Figure 3.2), suggesting that our observed
species richness did in fact accurately capture realistic patterns in total species diversity
across the land-use transformation systems.

For each of the 7472 animals collected, we measured individual body length to an
accuracy of 0.1 mm using stage micrometres. We then converted all measured individual
body lengths to fresh body mass using length-mass regressions and, where necessary, dry
mass-fresh mass relationships from the literature (Supplementary Table 3.1), yielding an
estimated fresh mass in mg for every collected individual. Where family-specific
relationships were not available or animal body lengths in our collection fell outside of
the size ranges of published regressions, we then used regressions from higher-order
taxonomic groupings. For heavily damaged individuals that could not be measured for

body length, we assigned these individuals a fresh body mass from the median body mass

46



of all animals from the same species or order where only one individual of that species
was collected. We then calculated community biomass (mg fresh mass m™) for each of
the 32 communities by summing together all individual body masses calculated from
length-mass regressions as derived from the individually measured body lengths.

We calculated individual metabolic rates for all 7472 animals using body masses,
temperature, and phylogeny (Ehnes et al. 2011) (Supplementary Table 3.2). Temperature
was measured over a period of at least 2.5 months at 30 cm depth below the soil surface
in each site and averaged for each transformation system in each of the two landscapes.
From this, community metabolism was calculated by summing together all individual
metabolic rates within each of the 32 sites, providing the total metabolic demand for each
of the 32 communities. Using diet-specific assimilation efficiencies (de Ruiter et al.
1993), energy loss to predation and community metabolism, we analytically calculated

energy fluxes for each of these communities (de Ruiter et al. 1994) using the formula

1
F=—-(X+L)

a

where F is the total energy flux into the network node of a feeding guild, e, is the diet-
specific assimilation efficiency, X is the metabolic demand of the feeding guild, and L is
the loss to predation that the feeding guild is subjected to (Figure 3.1 and Supplementary
Methods 3.1). In order to calculate the fluxes between the functional feeding guilds, we
constructed a general network of feeding relationships (link structure in Figure 3.3) that
represents a null model for an energy network structure where no active preferences are
assumed. We assumed that, of our four functional feeding guilds, energy fluxes to
predators were split up equally into the three animal guilds below them. Energy fluxes to
detritivores and herbivores were assumed to come from only detritus and plant material,
respectively. Omnivores were assumed to receive energy in equal 25% proportions from
the other three functional feeding groups (predators, detritivores and herbivores, making
75%) and the remaining 25% from both plant and detritus material combined
(Supplementary Methods 3.1).

To assess how these assumptions of feeding preferences might affect the
calculations of total energy fluxes, we reconstructed the energy networks so that
omnivores were assumed to only consume plant and detritus material (50% derived from

each) but with no energy derived from animal material. We then recalculated total energy

47



fluxes and found an overall decrease of up to 54%, which appeared to be highly
consistent among the different land-use transformation systems. This consistency between
models was especially evident after calculating the loss of energy flux in the three
agriculturally used systems compared with the forest system, demonstrating a maximum
of only 3% disparity between the two models (Supplementary Figure 3.3). This sensitivity
analysis indicated that our presented method is highly robust in calculating differences in
energy fluxes among different systems. Accordingly, the null model was accepted as the
simplest model with the least diet preferences assumed. However, we still suggest that
studies adopting this method of energy flux calculation should assign feeding preferences
with caution, or employ other techniques such as stable isotope analysis to estimate

feeding preferences.

3.3.3 Statistical analyses

Using mixed effects models (GLMM's), we tested the effects of ‘transformation system'
and its interaction with functional feeding guild on community responses, with 'landscape’
as a random effect. 'Density’, 'biomass', and ‘community metabolism' were log;o-
transformed to meet assumptions of normality and 'species richness' (overdispersed
Poisson-distributed data) was modelled on a negative binomial distribution. We
additionally explored biodiversity-ecosystem functioning relationships by first testing for
linearity of relationships using untransformed data. Once linearity was established, we
then tested for the effects of logo-transformed 'species richness' and its interaction with
'‘transformation system' on 'energy flux' for overall data and repeated again for data from
separate feeding guilds. Additionally, because we suspected that our analyses could be
affected by spatial autocorrelation, we calculated Moran’s I values for each model’s
residuals and tested for spatial autocorrelation using the Moran’s I standard deviate
(Dormann et al. 2007) in the ‘spdep’ package in R 3.0.1 (R Core Team 2015). Results
from these tests provided no support for the spatial autocorrelation of variation in any of
the response variables tested (all Moran’s I test results yielded p > 0.4).

For all GLMM's, we applied a backwards stepwise selection procedure to obtain
the model of best fit, based on the Akaike Information Criterion (AIC). In this procedure,
we constructed full models that contained all possible predictors and their interactions
(‘transformation system' and ‘feeding guild' for general community response models;
'species richness' and ‘transformation system' for biodiversity-ecosystem functioning

models), and compared these full models and the model of the backward selection
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procedure to a null, intercept-only model. The model that yielded the lowest AIC score,
with a minimum AAIC of 2 units, was selected as the model of best fit. All analyses were

conducted with the 'nlme' and 'Ime4' packages in R 3.0.1 (R Core Team 2015).

3.4 RESULTS

3.4.1 Transformation to oil-palm agriculture leads to biodiversity loss

Using generalised linear mixed effects models, we show that transformation of tropical
rainforest to oil-palm plantations leads to severe losses in species richness (45% decline),
animal density (48% decline) and biomass (52% decline) (Figure 3.2a-c and
Supplementary Table 3.3), supporting previous studies suggesting that land-use
transformation to oil palm poses one of the greatest threats to global biodiversity (Gilbert
2012). Beyond mere diversity effects, land-use transformation altered animal densities
and biomass, threatening to not only drive species extinctions but also to eliminate vital
ecological functions. The effects of land-use transformation on species richness and
animal densities were additionally dependent on functional feeding guilds, with predators
decreasing in species richness and density most rapidly (Figure 3.2a-c and Supplementary
Table 3.3) as could be expected for higher trophic level feeding guilds (Purvis et al.
2000). Such alteration of higher trophic levels is likely to have severe indirect functional
impacts on other functional guilds within the trophic network (Jochum et al. 2012).

3.4.2 Community metabolism

Summing up individual metabolic rates, we demonstrate that transformation of forest to
oil palm yields a 51% decrease in community metabolism, with jungle rubber and rubber
only 16% and 10% below forest levels of community metabolism, respectively. However,
all systems yielded significantly higher community metabolism than oil palm (Figure 3.2d
and Supplementary Table 3.3). As such, we show that ecosystem energy processing is
critically reduced in oil-palm plantations. Interestingly, biomass responses to land-use
transformation among feeding guilds were not clearly comparable to responses in
community metabolism (Fig 2c, d). This suggests that systematic changes in species
composition, body-mass distributions (Supplementary Figure 3.4) and biomass exhibited
a complex interaction in determining the functional consequences of land-use

transformation.

49



—— Omnivores Detritivores —— Predators —— Herbivores

b

Y]

o o
Q N
- -
o o
o 27 '—'9_}
3 “E
c E - &
. e]
%) c
- 8 £g-
n
k3 t 2
o o _| @ o |
(O3 e =
Q. (]
” o — B 2% —
(S ) N_R
——/”\ e ————————

0
|
0
|

F J R o)
(\'T‘md
E -
< 2.°
IS € o
) 25_}
E 3=
@ o
[0]
o [Te)
£ E 8| {
9 2 2
@ E = _\__\
B [ =
Eg_—’//\
| | 1 1 835 I I | |
F J R (e} F J R ©

Transformation system

Figure 3.2: Effects of land-use transformation on macro-invertebrate communities.

Mean (x SE, n = 32) species richness (a), density (b), biomass (c), and community metabolism (d)
of the total community (black points) and of each functional feeding guild (coloured lines) for the
four land-use transformation systems: forest (F), jungle rubber (J), rubber (R) and oil palm (O).

3.4.3 Whole-community energy fluxes and ecosystem functioning

Aiming to visualize the complex interplay between community biomass dynamics and
energy flux, we constructed energy networks for the four transformation systems (Figure
3.3) based on total energy fluxes as a promising way to quantify multitrophic ecosystem
functioning (Figure 3.1). In addition to the general decreases in biomass (node sizes in
Figure 3.3) and energy processing rates (arrow widths in Figure 3.3), we also found a
systematic shift from predator to omnivore dominance when comparing forest and oil-
palm systems. Specifically, we found predator biomass in oil palm yielded only 25% of
their biomass in forest (0.424 and 1.664 kg ha™, respectively), while the predator-driven
energy flux was reduced to 46% of the energy flux driven by predators in forest (30.697

and 66.816 kg ha™ yr™, respectively). In contrast, omnivore biomass in oil palm was 22%
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higher than in the forest (0.767 compared to 0.629 kg ha™), while omnivore-driven energy
flux in the oil palm was 47% lower than in forest communities (32.531 compared to
61.900 kg ha™ yr') (Supplementary Table 3.4), suggesting a considerable mismatch of
biomass and energy flux, partly dependent on the trophic group in question. In our
analyses, this disparity finds its explanation in varying body-mass distributions
(Supplementary Figure 3.4) and assimilation efficiencies that strongly modify how
biomass translates into total resource assimilation rates (Figure 3.1). These results suggest
that biomass, alone, may be an unsuitable proxy for general ecosystem functioning in

animal communities.

Forest Jungle rubber Rubber

Figure 3.3: Effects of land-use transformation on community energy networks.

Energy networks displaying the relative annual energy flux (coloured arrows weighted by
calculated energy flux [kg ha-1 yr-1]) and biomass (coloured nodes weighted by total biomass)
among the functional feeding guilds: predators (red), omnivores (blue), detritivores (yellow), and
herbivores (green). Each panel represents an energy network for one of the four land-use
transformation systems.
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Figure 3.4: Relationship between species richness and community energy fluxes.

Linear mixed effects models for (a) entire communities and (b) separated into functional feeding
guilds. Black dashed lines denote overall model fits and coloured lines indicate different land-use
transformation systems.

3.4.4 Multitrophic biodiversity-ecosystem function relationships

Until now, most studies investigating biodiversity-ecosystem function relationships have
focused on single trophic levels (lves, Cardinale & Snyder 2004; Balvanera et al. 2006).
We present a new approach to easily quantify multitrophic ecosystem functioning,
requiring only information on body mass, phylogeny, temperature, and assimilation
efficiencies to overcome previous limitations in biodiversity-ecosystem functioning
research. Utilising this approach, we also investigated the relationship between species
richness and ecosystem functioning, identifying a clear linear positive effect of diversity
on total energy flux (Figure 3.4a and Supplementary Table 3.5). The relationship between
diversity and energy flux was dependent on land-use transformation system, whereby oil
palm and jungle rubber showed the strongest decrease in energy flux per unit loss in
species richness (Figure 3.4a and Supplementary Table 3.5). Our results suggest that each
loss of species in oil palm and jungle rubber therefore would be followed by
proportionately higher losses in energy flux, compared with equal species losses in forest
and rubber. We found the same pattern as in the overall trend for the predator group,
which showed transformation system-dependent relationships between species richness
and energy flux (Figure 3.4b). However, for omnivores, detritivores and herbivores there

was a linear effect of diversity on energy flux driven by these groups, but this effect was
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independent of transformation system (Figure 3.4b and Supplementary Table 3.5). This
implies that studies focusing on single trophic levels, or even specific species, may fail to
detect the alteration of ecosystem processes resulting from land-use transformation. These
results call for a wider application of multitrophic approaches that not only measure one
ecosystem property, such as total productivity or decomposition, but that also aim to

assess whole-community ecosystem processes such as total energy flux.

3.5 DISCUSSION

Our study reflects previous findings that the transformation of forest systems to oil palm
has severe impacts not only on single animal populations, but also on communities as a
whole. In particular, species richness and animal biomass are most significantly affected.
Furthermore, jungle rubber and rubber appear to represent intermediate steps in land-use
intensification. Their higher levels of biodiversity and ecosystem functioning indicate that
they potentially provide higher ecological value than oil palm. As such, these rubber land-
use systems could present economically viable, lower intensity land-use alternatives.

By taking a multitrophic ecosystem functioning approach we demonstrate that, at
the community level, species loss leads to a direct linear decrease in ecosystem
functioning. This means that any species loss will be followed by a proportionate loss in
function, and this relationship becomes proportionately stronger in more intensive
transformation systems such as oil-palm plantations. Thus, every one of the few species
in high-intensity land-use systems is functionally more important than species in low-
intensity systems where functional redundancy is likely to be higher (Laliberté et al.
2010). Without explicit consideration of multiple trophic levels, such emergent properties
are likely to be overlooked. Our study demonstrates the crucial implications of tropical
land-use intensification for biodiversity and ecosystem functioning across multiple
trophic levels, suggesting that these globally important impacts will likely resonate

beyond previously explored trophic boundaries.
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Chapter 4

Functional Diversity and Stability of Litter-
Invertebrate Communities Following Land-Use
Change in Sumatra, Indonesia

Steffen Mumme, Malte Jochum, Ulrich Brose, Noor Farikhah Haneda, and Andrew D.
Barnes

4.1 ABSTRACT

Tropical land-use intensification is rapidly increasing in regions that harbour high levels
of biodiversity, thus posing a serious threat to the stability and resilience of tropical
ecosystems and the important ecosystem services that they provide. We compared
functional group richness and functional dispersion in litter-invertebrate communities
among four different land-use systems, ranging in intensity from primary degraded
lowland forest to oil-palm agriculture in two landscapes on Sumatra, Indonesia. We then
investigated the consequences for functional stability and community resilience by
calculating functional redundancy and response diversity of sampled communities. From
primary degraded forest to intensively managed oil-palm systems, we found a 46%
decrease in species richness and a 48% reduction in density, but weaker effects on
functional group richness and an increase in functional dispersion. Although we detected
no significant alteration of response diversity, functional redundancy of litter-invertebrate
communities decreased clearly by losing 37% of functionally redundant species due to
land-use change. Our results indicate that land-use change, from tropical rainforest to oil-
palm agriculture, can alter both taxonomic and functional diversity of litter-invertebrate
communities, resulting in the loss of functional redundancy and thus functional stability
of these ecosystems. However, we also show that land-use systems of intermediate
management intensity, such as jungle-rubber agroforestry, could serve as reservoirs of

functional diversity and stability in monoculture-dominated production landscapes.
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4.2 INTRODUCTION

Land-use change imposes strong impacts on biodiversity, which in turn can have
important implications for the stability and resilience of natural ecosystems (Foley et al.
2005; Flynn et al. 2009; Laliberté et al. 2010). Tropical forests, which harbour
particularly high levels of biodiversity, are increasingly threatened by land-use
conversion and intensification to agricultural cash crop plantations (Koh & Wilcove
2007; Turner et al. 2008; Gibson et al. 2011). In particular, oil palm (Elaeis guineensis) is
one of the fastest expanding crops globally (Fitzherbert et al. 2008), with Indonesia and
Malaysia together responsible for 90% of global palm-oil production (Sheil et al. 2009).
In addition, monoculture rubber (Hevea brasiliensis) plantations have expanded rapidly in
the region, with an increase in area of 32% over the last decade (Wilcove et al. 2013).
This expansion of monoculture crops has been largely associated with the conversion of
diverse tropical forests and is therefore directly linked to large-scale losses in biodiversity
and ecosystem functioning (Koh & Wilcove 2007; Wilcove et al. 2013).

Biodiversity loss resulting from monoculture expansion in tropical landscapes has
been shown to span many taxonomic groups (Fitzherbert et al. 2008; Senior et al. 2012).
These impacts are especially detrimental for forest-specialist species that are particularly
sensitive to the loss and fragmentation of tropical rainforest landscapes (Koh & Wilcove
2008). The high-intensity management of oil-palm dominated systems makes them an
ecologically poor substitute for tropical forest ecosystems as they support relatively low
species diversity (Fitzherbert et al. 2008). However, there is still very limited knowledge
of the consequences of rainforest transformation to oil-palm and other tropical plantation
forestry for the stability of ecosystem functioning, and how intermediate levels of land-
use intensity could maintain species diversity and functional stability in these altered
landscapes.

Over the last 20 years, a considerable body of research has established the
importance of functional diversity in discerning the responses of biological communities
to global change drivers (Tilman et al. 1997a; Cadotte, Carscadden & Mirotchnick 2011).
Functional diversity is the diversity of functional identities of organisms in a community
based on morphological, behavioural, or life-history traits, which are often directly linked
to an organism’s ecological performance (Petchey & Gaston 2006; Villéger, Mason &
Mouillot 2008; Gagic et al. 2015). As such, functional diversity can be directly related to

ecological attributes such as the functional stability or the resilience of communities,
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depending on the trait complexes measured (Laliberté et al. 2010). Various approaches
for assessing functional diversity have been proposed, with a clear development of
measures to deal with specific research questions. Functional group richness—the total
number of species groups composed of functionally similar species—has been widely
used for quantifying the functional heterogeneity of communities (Symstad 2000; Lanta
& Leps 2007). However, because functional group richness is a rather coarse measure of
functional diversity (Petchey & Gaston 2006), other measures such as the multivariate
distance-based metric functional dispersion (Laliberté & Legendre 2010) have been
developed to detect more fine-scale patterns in functional heterogeneity.

A particularly important application of functional diversity is its utilisation for
assessing community functional stability and resilience (Laliberté et al. 2010). This
approach employs functional grouping to quantify the absolute number of taxonomic
species within functional effect groups (i.e., groups of species sharing similar traits
important for ecosystem functioning) to assess functional redundancy, and utilises
functional dispersion within functional response groups (groups of species sharing similar
traits that determine responses to environmental disturbances) to calculate response
diversity. Calculated in this way, functional redundancy evaluates the risk of losing
ecosystem functions resulting from the loss of all species within a functional group,
providing an indication of the functional stability of an ecosystem, rather than the rate of
ecosystem functioning per se. On the other hand, response diversity is a measure of the
heterogeneity of responses in species assemblages within functional groups, thus giving
insight into the resilience of communities regarding future disturbances. These measures
clearly provide a powerful estimation of community functional stability and resilience.
Although previous studies have investigated patterns in functional diversity for specific
taxa within tropical agricultural landscapes (e.g., F. A. Edwards et al., 2014; Gray et al.,
2014), to our knowledge there have been no studies quantifying these general measures of
stability and resilience in highly diverse tropical animal communities spanning multiple
higher-order taxa.

In this study, we assessed the consequences of land-use change for the stability
and resilience of diverse tropical litter arthropod communities by evaluating changes in
their functional trait composition following conversion of tropical rainforest to plantation
agriculture. While Chapter 3 demonstrates how this land-use change alters the diversity
and functional efficiency of these communities, this study provides new insight into the

future certainty of maintaining these ecological functions. To detect differences in
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functional diversity of species assemblages among land-use systems, we calculated
functional group richness and functional dispersion (Laliberté & Legendre 2010). Using
these results we evaluated 1) community stability by calculating functional redundancy
and 2) community resilience to future disturbances by calculating response diversity,
across four tropical land-use systems of varying intensities. By comparing oil-palm and
rubber monoculture systems to primary degraded forest (as defined by Margono et al.
(2014)) and a less intensively managed agroforestry system, i.e., jungle rubber (Gouyon
et al. 1993), we established the impacts of tropical land-use change on functional
diversity, redundancy, and community resilience. Additionally, we discerned how
intermediate intensities of agroforestry can serve as potential reservoirs of functional

diversity and maintain community functional stability in anthropogenic landscapes.

4.3 METHODS

4.3.1 Study system

Sampling took place between October and November 2012 in the Jambi Province,
Sumatra, Indonesia; an area formerly known to have one of the largest tracts of rainforest
in Southeast Asia. Today, the landscape is characterised by a mosaic of agroforestry
plantations and primary degraded lowland rainforest. The sampling regions are at 0-400
m above sea level, with a mean annual temperature of 25 °C and an annual precipitation
of 2000-3000 mm (Murdiyarso et al. 2002). The region has suffered one of the highest
deforestation rates worldwide, predominantly due to conversion of land to plantation
agriculture (Abood et al. 2014).

4.3.2 Sampling design

Macro-invertebrate communities were sampled in four land-use systems: primary
degraded forest, jungle rubber, monoculture rubber (7 — 17 years old), and oil palm (9 —
16 years old), replicated four times in each of the two landscapes, Bukit Duabelas and
Harapan (n=32) (Figure 4.1). We sieved 1 m? of leaf litter, using a coarse 2 cm mesh
width, within each of three randomly placed 5 x 5 m subplots located within the 50 x 50
m sampling sites (Figure 4.1). Macro-invertebrates were hand-collected from the litter
sieves, stored in 75% ethanol and transported to the laboratory for identification and trait

measurements. Macro-invertebrates were collected under Permit No.
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2695/1PH.1/KS.02/X1/2012 issued by the Indonesian Institute of Sciences and the
Ministry of Forestry.
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Figure 4.1: Study-site location and sampling design. Sumatra, Indonesia, (a) and the study region
in Jambi Province (b) with red and blue circles representing the 16 sites in Bukit Duabelas
landscape and the 16 sites in Harapan landscape, respectively. The study design (c) comprises 32
sites with 4 replicates of each of the four land-use systems in each of two landscapes.

4.3.3 Animal identification and trait measurements

All animals were identified to morphospecies based on consistent morphological
characteristics. We measured four different traits for every individual: Body mass,
dispersal capacity, eusociality and feeding type. These traits were defined as ‘response
traits’, ‘effect traits’, or both (Table 4.1), where response traits determine the animal’s
response to environmental changes and effect traits determine the animal's effect on
environmental processes (Suding et al. 2008). One important goal of this study was to

assess functional diversity, redundancy and response diversity across taxonomically broad
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communities without bias toward any particular taxonomic groups. As such, we had to
carefully choose traits that would be highly meaningful response and effect traits for all
organisms that were sampled. For example, traits such as leg length would have very
different functional implications for orthopterans than for diplopods, compared to the

highly universal traits we used such as body size.

Table 4.1: Response and effect traits used in the analyses. Dispersal capacity was separated into
three categories of no wings, no legs (NN); legs, no wings (LN); legs and wings (LW). Body
masses were calculated from individual body lengths using allometric length-mass equations
(Supplementary Table 3.1).

Effect Response

Trait Source . ] Measurement
trait trait
Body mass Morpholo es es Continuous:
y photogy y y body length [mm]
. . Morphology, Categorical:
D rsal . n
Ispersal capacity o rature 0 yes NN, LN, LW
Categorical:
. Morphology, predator, herbivore,
Feeding type ) es es . .
gtyp literature y y omnivore, detritivore,
fungivore, parasite
o ] Categorical:
Eusociality Literature yes yes g
yes, N0

Metabolic demand is strongly correlated with body mass in animals (Ehnes et al.
2014), which is directly related to several biological rates and processes such as predation
and decomposition (Chapter 3). Furthermore, body mass affects species” vulnerability to
disturbances and is thus related to extinction risk. For example, Barnes et al. (2014b)
found that small-bodied dung beetles were most negatively affected by edge effects and
matrix degradation, whereas Senior et al. (2012) found that larger-bodied carnivorous
ants were most negatively affected by land-use conversion to oil-palm plantations. As
such, we specified body mass as both an effect trait and a response trait. Using length-
mass regressions from the literature, we calculated body mass from individual body

lengths, measured to an accuracy of 0.1 mm (Supplementary Table 3.1).
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Dispersal capacity gives an indication of a species’ ability to escape adverse biotic
and abiotic stressors. Furthermore, it delimits a species’ ability to reach other resource
patches in fragmented anthropogenic landscapes (Ockinger et al. 2010). We therefore
used dispersal capacity as a response trait, providing information on the ability of a
species to cope with land-use change. Dispersal capacity was approximated by allocating
individuals into three groups according to whether they have wings, legs or both (Table
4.1). In cases where collected specimens were wingless juveniles but were known to have
a winged life stage, we allocated these animals to a winged category.

Although the evolution of eusociality is relatively rare, where this trait has
evolved, these species are often competitively superior within communities (Wilson &
Holldobler 2005). As such, some eusocial species have been enormously successful,
making them more resilient to environmental stressors and also allowing them to largely
alter ecosystems through their acquisition of resources (Wilson & Holldobler 2005).
Therefore, we included eusociality as both a response trait and an effect trait (Table 4.1).
Specifically, eusociality was used as a categorical trait, with all ant and termite species
coded as eusocial and all other species coded as non-eusocial.

Different strategies of energy uptake, such as predation, herbivory, decomposition
or omnivory can have a strong influence on community energy fluxes and ecosystem
functioning (Chapter 3). Species from different phylogenies within a trophic group, when
taking into account body size, have also been shown to carry out highly similar ecosystem
functions (Rall et al. 2011). Furthermore, feeding type is directly related to trophic
position in food webs, which can therefore determine a species’ sensitivity to
environmental change. For example, predators located at the top of food webs depend on
the stability of prey populations at lower trophic levels (Ryall & Fahrig 2006). Because
feeding type can determine species’ effects on ecological processes, as well as species’
sensitivity to environmental change, we specified feeding type as both a response and an
effect trait (Table 4.1). The feeding type of each animal was classified based on a

combination of information from literature, taxonomy and also morphology.

4.3.4 Functional group richness and functional dispersion

Using all measured functional traits, we quantified functional group richness and
functional dispersion (Laliberté & Legendre 2010) as measures of functional diversity.
Although caution should be taken to use sufficient traits for accurately assessing

functional diversity (Maire et al. 2015), given the broad taxonomic scale of our study, we
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incorporated as many broadly relevant traits as possible to maintain ecological realism.
Firstly, all species were divided into functional effect groups (using only their effect
traits) and again into functional response groups (using only their response traits) using
the ‘FD’ package in R 3.0.3 (R Core Team 2014). To do this, we computed a Gower
dissimilarity matrix from the trait values of all morphospecies and constructed a
dendrogram that clusters species together based on their trait values (Laliberté et al.
2010). From the dendrogram, we chose a horizontal cut-off point to separate species into
functional groups according to their trait combinations. Specifically, the chosen cut-off
point avoided grouping of functionally dissimilar species such as predators and
detritivores, but at the same time ensured that groupings were based on all traits measured
(e.g., so that groups could also be defined by body size or eusociality) to generate
ecologically relevant groups. This process yielded 18 functional response groups and 14
functional effect groups (Supplementary Table 4.1).

Secondly, using all measured traits and species composition at each site, we
calculated functional dispersion (Laliberté & Legendre 2010) as a measure of variation in
community trait composition, using the ‘FD’ package in R (R Core Team 2014).
Functional dispersion calculates the mean distance of species to the community trait-
mean centroid weighted by their relative abundances (Laliberté & Legendre 2010).
Because functional dispersion is a continuous measure of trait dispersion in multivariate
trait space, it is insensitive to changes in species richness, rendering it an ideal metric to
quantify convergence or divergence of communities in trait composition. We calculated
functional dispersion using presence-absence data because rare species can have a
significant influence on ecological processes, which could be masked in abundance-
weighted calculations where rare species become less important (Laliberté et al. 2010).

4.3.5 Calculating measures of community stability and resilience

We quantified functional redundancy by calculating the mean number of species per
functional group within each community. Here, we utilised only the functional effect
groups (Supplementary Table 4.1), where species are grouped based on effect traits that
give an indication of their functional roles. Generally, functional redundancy measures
the vulnerability of communities to the loss of functional effect groups due to future
ecological perturbations, thus providing a measure of functional stability (Laliberté et al.
2010). This approach assumes that species within a functional effect group all carry out a

common ecosystem function, and so a loss of species does not necessarily lead to a
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complete loss of the shared function. Functional redundancy is a useful tool in ecology
and conservation (Rosenfeld 2002), but its reliability depends on careful grouping and
choice of traits. In this study, functional redundancy can be literally interpreted as the
number of species that can be lost before losing an entire functional effect group, or
ecosystem process.

To quantify response diversity, we calculated the mean functional dispersion of
functional response groups of each sampled community, using presence-absence data
within the 18 functional response groups (Supplementary Table 4.1). Response diversity
is a measure of community resilience to future perturbations, specifically indicating the
number of response traits present in a community that are adapted to dealing with various
perturbations (Laliberté et al. 2010). For example, low response diversity indicates that
all species within a community will have similar responses to ecological perturbations.
Such a community may be resilient to one particular type of perturbation but highly
susceptible to most others due to a lack of traits allowing species to respond differently
(Elmqvist et al. 2003).

4.3.6 Statistical analyses
To assess our sampling effort of litter macro-invertebrate communities, we calculated
sample-based species accumulation curves in EstimateS 9 (Colwell 2013). Mao Tao
estimates of species richness within each of the four land-use systems were calculated
from 100 random draws without replacement. Additionally, we used the second order
jacknife estimator (Brose et al. 2003) to calculate extrapolated species richness from the
three 1 m? subplots at each of the 32 sites, with the ‘vegan’ package in R (R Core Team
2014). We then estimated sampling coverage by calculating the proportion of observed
out of total (extrapolated) species richness at each site (see Brose et al., 2003 for
evaluation of this procedure). These analyses revealed that we achieved sampling
completeness between 50 and 60% across the sampling sites with very even sampling
coverage among land-use systems (see Supplementary Figure 4.1). Although we feel that
this allows for reasonably reliable comparisons of taxonomic and functional diversity
among these systems, our results should be taken with some caution due to potential
under-sampling of rare species with variable traits.

Using linear mixed effects models, we tested the effect of land-use system on
species richness, animal density, functional group richness (of response groups),

functional dispersion, functional redundancy and response diversity with ‘landscape’ (i.e.,
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Bukit Duabelas and Harapan landscapes) specified as a random effect. Tukey post hoc
tests were applied with a Bonferroni correction to test for significant differences among
land-use systems. To meet the assumptions of normality, density, functional group
richness and response diversity were log;o-transformed and modelled on a normal
distribution. Species richness, which was overdispersed Poisson-distributed data, was
modelled on a negative-binomial distribution. Furthermore, to determine whether our
analyses might be affected by spatial autocorrelation, we calculated Moran’s I values for
each model’s residuals. We then tested for spatial autocorrelation using the Moran’s |
standard deviate (Dormann et al. 2007) in the ‘spdep’ package in R (R Core Team 2014)
and found no significant effect of spatial autocorrelation in our models (lowest Moran’s I
test result yielded p = 0.391).

We applied a multivariate approach to test the relationship between relative
abundances of the functional response groups and land-use change, allowing us to further
assess functional trait-based community assembly processes and stability. Firstly, we
calculated a dissimilarity matrix using the ‘modified Gower’ dissimilarity metric
(Anderson et al. 2011) and then visualized the relationship between land-use change and
relative abundances of functional response groups using a nonmetric multidimensional
scaling ordination (NMDS). We then tested if the dissimilarity among communities based
on functional response group relative abundances was dependent on the land-use system
by performing a permutational multivariate analysis of variance (permutational
MANOVA) test with 1000 permutations. Finally, we used the ‘betadisper’ function to test
for differences in multivariate dispersion of communities in their functional response
group composition among land-use systems. All statistical analyses were conducted in R

(R Core Team 2014) using the ‘nlme’, ‘Ime4’, ‘multcomp’, and ‘vegan’ packages.

44 RESULTS

4.4.1 Species richness and animal densities

A total of 7544 animals from 896 morphospecies were collected across the 32 sampling
sites in four different land-use systems (Supplementary Table 4.2). The most abundant
taxonomic group was Hymenoptera (40% of all individuals), clearly dominated by ants
(Formicidae), and followed by Araneae (14%), Isoptera (10%), Psocoptera (7%) and
Coleoptera (6%). Species were grouped into 14 functional effect groups and 18 functional
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response groups across all sites (Supplementary Table 4.1). Land-use change had a
negative impact on both species richness and animal density of macro invertebrates, with
a 46% decrease in species richness (t = -3.96, df = 26, p < 0.001) from forest systems to
oil palm (Figure 4.2a). Specifically, the mean number of species decreased from 96 (+
7.88 SE) species in forest systems to 52 (+ 7.82 SE) species in oil-palm systems (Figure
4.2a). Densities of litter macro-invertebrates were also significantly impacted, with a 48%

reduction from forest to oil-palm systems (F3, 27 = 3.393, p = 0.032, Figure 4.2Db).
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Figure 4.2: Macro-invertebrate community responses to land-use change. Species richness (a),
animal density (b), functional group richness (c) and functional dispersion (d) for the four land-
use systems (n=32). Asterisks denote significance levels: * p < 0.05; ** p < 0.01; *** p < 0.001.
Boxes indicate the first and third quartiles, with the median and 95% confidence intervals denoted
by the central line and whiskers, respectively, and outliers indicated by open symbols.
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4.4.2 Responses in functional diversity

Richness of functional response groups showed a significant negative response to land-
use change (Fs27 = 11.447, p < 0.001) from forest to the more intensively managed
systems like rubber and oil-palm plantations, although the magnitude of the decrease was
not as dramatic as that found in species richness (23% compared to 46% loss). The
number of functional groups decreased from a mean of 13 (+ 0.378 SE) to 10 (+ 0.800
SE) of the total 18 functional response groups from forest to oil-palm communities
(Figure 4.2c), where we consistently detected no occurrence of functional groups 6 and
15 (Supplementary Figure 4.2). Interestingly, the functional response group of winged
predators (functional response group 9, Supplementary Table 4.1), including animals such
as predatory beetles, exhibited the strongest decrease in density from forest to oil-palm
systems, with only 12% of individuals from this functional response group remaining.
The second strongest decrease in density (22% remaining in oil palm) was found within
the functional response group of non-winged predators with high body mass, mainly
comprised of large-bodied spiders (functional response group 3, Supplementary Table
4.1), and the third strongest decrease was found for non-winged omnivores (26 remaining
in oil palm), including animals such as Gryllidae crickets (functional response group 4,
Supplementary Table 4.1) (see Supplementary Figure 4.2 for density responses of all
functional response groups).

Despite the clear decrease in species diversity, we found similar levels of
functional dispersion in forest and the two rubber systems, compared to much higher
values in oil-palm plantations (Fz .7 = 6.972, p = 0.001) (Figure 4.2d). Specifically, the
Tukey post hoc test suggested that functional dispersion in oil palm was significantly
higher than in rubber (p < 0.001) and jungle rubber (p < 0.001) (Figure 4.2d), indicating
that functional heterogeneity is higher in oil palm than in the other land-use systems (but
not significantly higher than in forest).

Because of the observed losses in animal density and species richness, we
suspected that relative abundances of functional response groups would be altered among
land-use systems. Results from the permutational MANOVA suggested that land-use
change explained a significant amount of variation in the compositional dissimilarity of
communities based on relative abundances of functional response groups (p < 0.001).
These differences were evident in the NMDS plot of community relative abundances of
functional response groups among the land-use systems (Figure 4.3). In particular, the

NMDS showed a clear separation of oil-palm communities from all other land-use
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systems, visualized by no overlap of the 95% confidence interval with any of the other
land-use systems. Furthermore, forest systems were more similar in functional group
composition to rubber and jungle-rubber plantations than to oil-palm systems (Figure
4.3). Interestingly, we found the highest multivariate dispersion of communities within
the oil-palm sites, which were significantly higher than in both jungle-rubber and forest
systems (Fs 27 =5.777, p = 0.003). This indicates that the communities of different oil-

palm plantations are less similar to each other in functional composition.
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Figure 4.3: Functional trait composition of macro-invertebrate communities. NMDS ordination
plot showing the compositional dissimilarity of litter communities among the four land-use
systems based on the relative abundances of functional response groups. Each point represents
one of the 32 sampled communities, with 95 % confidence ellipses for each of the land-use
systems.

4.4.3 Functional redundancy and response diversity

Similar to patterns in species diversity, we found a strong decrease in functional
redundancy from forest to the more intensively managed land-use systems. From forest to
oil-palm systems, an average of 37% of functionally redundant species within the
functional effect groups were lost (F 3 27 = 3.073, p = 0.045, Figure 4.4a). In particular,
we found that litter-invertebrate communities in oil-palm plantations had significantly
lower functional redundancy than in primary degraded forest (p = 0.031). Hence, species
loss following land-use change to oil-palm occurred throughout all of the functional effect

groups, resulting in fewer species within each functional effect group and thus rendering
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these communities more susceptible to complete losses of whole ecosystem functions.
Despite the fact that we found clear responses in functional diversity and functional
redundancy, response diversity yielded no significant response to land-use change (F 3, 27
=2.778, p = 0.060) (Figure 4.4b). However, there did appear to be a weak trend of
decreasing response diversity from forest to oil-palm systems (but higher values in
monoculture rubber), but this trend was disrupted with very high variability within the

different land-use systems.
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Figure 4.4: Functional stability and resilience of macro-invertebrate communities. Functional
redundancy (number of species within functional effect groups) (a) and response diversity
(functional dispersion for each functional response group) (b) for the four land-use systems
(n=32). Asterisks denote significance levels: * p < 0.05; ** p < 0.01; *** p < 0.001. Boxes
indicate the first and third quartiles, with the median and 95% confidence intervals denoted by the
central line and whiskers, respectively, and outliers indicated by open symbols.

4.5 DISCUSSION

The global trend of increasing land-use intensification has led to widespread negative
impacts on both taxonomic and functional diversity (Flynn et al. 2009), resulting in
significant losses in ecosystem functioning and increased ecological uncertainty
(Laliberté et al. 2010; Cadotte et al. 2011). In this study, we found that the conversion of
tropical rainforest to agroforests and monoculture plantations can lead to important shifts
in functional trait composition of the highly diverse invertebrate communities in these
systems. Specifically, this was demonstrated by the combination of decreased species and

functional group richness, along with increased functional dispersion and functional
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response group-based community dissimilarity in oil-palm plantations compared to less
intensively managed systems. These changes in litter-invertebrate community trait
composition, along with species losses, resulted in a significant decrease in functional
redundancy within functional effect groups. In contrast, response diversity was not
significantly altered by land-use change. Taken together, our results suggest that the
conversion of tropical rainforest to intensively managed plantation agriculture can
strongly alter the functional composition of tropical leaf-litter communities, likely
threatening the functional stability of these systems.

4.5.1 Effect of land-use change on species diversity and animal density

We found a significant decrease from forest to oil-palm communities in species richness
(46%) and animal density (48%), supporting previous findings that land-use change
imposes clear negative effects on invertebrate communities (Jones et al. 2003; Eggleton
et al. 2005). Because leaf-litter-dwelling macro-invertebrates are highly dependent on
litter input from vegetation, reduction in plant diversity and biomass resulting from land-
use conversion into intensively managed monoculture plantations (such as rubber and oil
palm in our study) most likely plays a major role in altering species diversity and
densities of litter macro-invertebrates (Gillison et al. 2003). Specifically, the reduced
stoichiometric diversity of leaves in the litter layer of monocultures may play a pivotal
role in affecting the density and diversity of the litter-animal communities (Kaspari &
Yanoviak 2009; Ott et al. 2014b). Additionally, the litter layer depth was lower in the oil-
palm and rubber monocultures than in the more diverse forest and jungle-rubber systems
(Kotowska et al., unpublished data), which can strongly reduce the diversity of litter
communities (Klarner et al. 2014; Digel et al. 2014). Interestingly, jungle rubber, which
harbours higher plant species richness (Gouyon et al. 1993) and thus tends to have a
consistently thicker and more species-rich litter layer (Kotowska et al., unpublished data),
also had significantly higher macro-invertebrate species richness than oil-palm systems,

indicating its potential conservation value for these functionally important communities.

4.5.2 Land-use change alters functional diversity of litter macro-invertebrates

We detected a significant reduction of functional response group richness, with three less
functional response groups, on average, in litter-invertebrate communities sampled in oil-
palm plantations compared to forest systems. In particular, the groups that appeared to be

consistently absent from the oil-palm plantation sites tended to be those with already very
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low numbers of individuals and species (i.e., functional response groups 6 and 15;
Supplementary Table 4.1). These findings indicate that where functional redundancy is
low, land-use conversion could result in losses of whole functional groups and this could
lead to eventual losses of associated ecosystem functions. That being said, such
conclusions should be taken with caution due to rather limited sampling completeness
(see Supplementary Figure 4.1), which could have resulted in the underrepresentation of
rarer species that might be important for retaining these missing functional groups.
Results from the test of multivariate dispersion in the NMDS ordination of functional
response group composition revealed that there was significantly higher functional
dissimilarity of invertebrate communities in oil-palm plantations, lower in rubber and the
lowest in jungle-rubber plantations. Thus, litter communities in oil-palm plantations were
more dissimilar to each other in their functional composition than those within the other
less intensively managed land-use systems. This could mean that communities are more
randomly assembled in the more highly disturbed oil-palm and rubber plantations than in
jungle-rubber plantations and forest. Nevertheless, results from the permutational
MANOVA on the relative abundances of functional response groups revealed that there
are still consistent differences among the land-use types in functional group composition.
These results suggest that from forest to oil-palm systems there may be a non-random,
trait-dependent loss of individuals from particular functional response groups.
Interestingly, we found significantly higher functional dispersion in oil-palm
systems than in all other land-use systems. Prior studies have found low-intensity land-
use systems with lower functional dispersion (Luck, Carter & Smallbone 2013) or no
significant impact of land-use change on functional dispersion (Barragén et al. 2011;
Audino, Louzada & Comita 2014). Here, the higher functional dispersion found in oil-
palm communities suggests that they are subjected to more diffuse ecological filtering
resulting in more randomly assembled macro-invertebrate communities. With oil-palm
plantations normally being re-established after a period of about 25 to 30 years
(Fitzherbert et al. 2008), along with very regular clearing of leaf litter and also regular
application of pesticides (Foster et al. 2011), there is a high frequency of severe
disturbances that would prevent the gradual convergence of traits in communities
assembling in these habitats (Fukami et al. 2005). Rather, it is likely that species
occurring in such highly disturbed oil-palm systems are generalists that randomly
disperse into these habitats, allowing them to persist in conditions where resources are

spatially and temporally unstable (Devictor, Julliard & Jiguet 2008). Taken together,
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these results are concerning for the conservation of ecosystem functioning in
anthropogenic landscapes as they suggest that the provisioning of ecosystem processes is
likely to be unstable in intensively managed plantation agriculture, such as oil palm
(Edwards et al. 2014a).

4.5.3 Functional redundancy and response diversity under land-use intensification

The maintenance of functional redundancy in ecological communities is crucial for the
stability of ecosystem processes (Flynn et al. 2009). Despite its importance, the impact of
land-use change on functional redundancy has not yet been explored in highly diverse
animal communities spanning multiple higher-level taxonomic groups. We found an
average loss of 37% of functionally redundant litter macro-invertebrate species from
forest to oil palm. As such, the risk of losing whole ecosystem functions clearly increases
with conversion of natural ecosystems to plantation agriculture, thus critically reducing
the functional stability of these altered ecosystems (Fonseca & Ganade 2001; Pillar et al.
2013). For example, we did not detect any large-bodied detritivores in these monoculture
systems; given further perturbations, which are becoming increasingly likely with
ongoing climate change (Jentsch, A., Kreyling, J., & Beierkuhnlein 2007), this may be a
real concern for other groups that also had strongly decreasing redundancy. As a result,
the facilitation of litter decomposition could be largely reduced where these functional
effect groups are lost (Lang et al. 2014). Because our measure of functional redundancy
does not allow for overlap of functions among different functional effect groups (i.e.,
omnivores are not mixed with other feeding types within functional effect groups), these
results should also be interpreted with some caution. Nevertheless, the magnitude of
response in functional redundancy that we detected indicates that it is unlikely such losses
could be completely buffered by other generalist omnivore species, still highlighting
reasonable concern for the functional stability of these altered systems.

Interestingly, despite the disparity in functional redundancy between the forest
and oil-palm systems, there was no significant difference in functional redundancy
between the two rubber land-use systems and the forest. This suggests that low-intensity
agroforestry systems such as jungle rubber could serve as reservoirs of functional
diversity and stability in tropical anthropogenic landscapes (Edwards et al. 2014b), where
species could spill over into higher-intensity agricultural systems (Lucey & Hill 2012).

Therefore, interspersing low-intensity agroforestry systems like jungle rubber throughout
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oil-palm dominated landscapes might effectively maintain functional diversity and
stability of ecosystem functioning in these increasingly homogenous landscapes.
Contrary to the strong responses of functional redundancy to land-use change, we
did not detect any effect of land-use change on response diversity. It is possible that the
disturbance intensity and frequency in the monoculture plantation systems is so high that
there is very diffuse ecological filtering and, thus, a random loss of species. In such a
case, this should yield similar levels of diversity in response traits across land-use
systems. These processes could explain why we found only weak effects of land-use
intensification on the response diversity of these tropical macro-invertebrate

communities.

45.4 Conclusions

In this study, we demonstrate for the first time that tropical land-use change from forest to
intensively-managed plantation agriculture could alter the functional stability of highly
diverse invertebrate communities by impacting their functional trait composition. In
general, our results suggest that litter dwelling macro-invertebrate communities tend to be
more randomly assembled and compositionally unstable in intensively managed systems
such as oil-palm plantations. Ultimately, these findings suggest that communities within
intensively managed tropical plantations are highly susceptible to losing entire ecosystem
functions—such as the facilitation of decomposition rates by macro-invertebrate
detritivores or the suppression of invertebrate pests by larger invertebrate predators—
given future ecological perturbations, which puts these systems at risk of losing crucial
ecosystem services. With the worrying future scenarios of climate change and continued
agricultural intensification in Southeast Asia, this presents a real concern for the future
functional stability of tropical agricultural ecosystems. Despite these concerning results,
our study also provides insight into the potential for intermediate intensification levels of
plantation agriculture, such as jungle-rubber plantations, to maintain relatively higher
levels of taxonomic diversity, functional diversity, and functional stability in

anthropogenic production landscapes.
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Chapter 5

Spatial Turnover in Biodiversity and Ecosystem
Functioning Across Tropical and Temperate
Ecosystems

Andrew D. Barnes, Patrick Weigelt, Malte Jochum, David Ott, Dorothee Hodapp, Noor
Farikhah Haneda, and Ulrich Brose

5.1 ABSTRACT

Predicting ecosystem functioning at large spatial scales rests on our ability to scale up
from local plots to landscapes, but this is highly contingent on our understanding of how
functioning varies through space. Such an understanding has been hampered by a strong
experimental focus of biodiversity-ecosystem functioning research restricted to small
spatial scales. To address this limitation, we investigate the drivers of spatial variation in
multitrophic energy flux—a measure of ecosystem functioning in complex
communities—at the landscape scale. We use a structural equation modelling framework
based on distance matrices to test how spatial and environmental distances drive variation
in community energy flux via four mechanisms: species composition, species richness,
niche complementarity, and biomass. We found that in both a tropical and temperate
study region, geographic and environmental distance indirectly influence species richness
and biomass, with clear evidence that these are the dominant mechanisms explaining
variability in community energy flux over spatial and environmental gradients. Our
results reveal that species composition and trait variability may become redundant in
predicting ecosystem functioning at the landscape scale. Instead, we demonstrate that
species richness and total biomass may best predict rates of ecosystem functioning at

larger spatial scales.
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5.2 INTRODUCTION

Anthropogenic alteration of the Earth’s ecosystems is so immense that scientists have
suggested the commencement of a new geological epoch, the Anthropocene (Zalasiewicz
et al. 2011). One of the most notable impacts of human activities has been the global
reduction in biodiversity (Pimm et al. 2014; Ceballos et al. 2015), stimulating widespread
concern over the resulting loss of ecosystem functioning and services provided by natural
systems (Diaz et al. 2006; Cardinale et al. 2012). In the past two decades, considerable
effort has been made to understand the mechanisms that drive rates in ecosystem
functioning, with an especially large focus on the importance of biodiversity (Balvanera
et al. 2006; Cardinale et al. 2012; Tilman et al. 2014). Most of this research has emerged
from experimental studies that attempt to directly link species richness with ecosystem
processes, such as biomass production. In more recent years, attention has also shifted
toward the importance of functional diversity (the diversity of functional traits) and
phylogenetic diversity in driving ecosystem functioning (Reiss et al. 2009; Flynn et al.
2011). However, due to the largely experimental nature of the research that has developed
in this field so far, little is understood about patterns in ecosystem functioning at the
landscape scale and the mechanisms driving these patterns (Cardinale et al. 2012; Tilman
etal. 2014).

The importance of spatial context in biodiversity and ecosystem functioning
(BEF) research has been increasingly realised in recent years (Chalcraft et al. 2004;
Godbold, Bulling & Solan 2011). For example, France & Duffy (2006) demonstrated that
metacommunity structure and dispersal were highly important for maintaining rates and
temporal stability of productivity. This study focused primarily on the role of species
richness for determining rates and stability of biomass production in a relatively simple
system limited to two trophic levels (primary producers and grazers) and up to nine
species in a given treatment. In comparison, forest soil ecosystems are globally
widespread and harbour remarkably high numbers of species that span many trophic
levels and yield highly complex food webs (e.g., Digel et al. 2014) that are directly
related to important ecosystem services (Handa et al. 2014). This raises the question of
how ecosystem functioning of multitrophic communities varies across space in terrestrial
forest ecosystems where species turnover is relatively high (Basset et al. 2012).
Incorporating such high levels of diversity is challenging, if not impossible, for

manipulative BEF experiments, thus calling for the implementation of landscape-level

76



field research that extends beyond correlative analyses and rather tries to identify causal
mechanisms (Cardinale et al. 2012; Tilman et al. 2014). A major hindrance to the
implementation of this approach has been the difficulty of directly linking measured
ecosystem functions (such as decomposition, predation and herbivory rates) with
multitrophic species assemblages that are sampled at the landscape level. In this study, we
overcome this limitation by analytically calculating energy fluxes among biomass pools
via trophic interactions in natural litter macroinvertebrate communities.

Using calculated multitrophic energy flux, we address four hypotheses of how
ecosystem functioning can vary over spatial and environmental gradients. Firstly, the
composition of species might affect energy fluxes due to particular attributes of species
that confer especially important effects on resource uptake (Hooper et al. 2005) (Figurel,
H1). Thus, turnover of species among communities (B-diversity) should scale positively
with dissimilarity in community energy fluxes (Figure 5.1, H1). Secondly, community
energy flux might scale with species richness (a-diversity) due to concurrent variability in
resource heterogeneity (Figure 5.1, H2) (Tylianakis et al. 2008b). This would occur as the
addition of resource species allows consumers to increase their resource uptake because
of an increase in available resource niches. In this case, we would expect that
dissimilarity in a-diversity should be positively correlated with dissimilarity of
community energy fluxes (Figure 5.1, H2). Thirdly, we hypothesize that community
energy fluxes scale positively with functional diversity (hereafter functional dispersion)
because a wider range of traits should allow consumers to feed on a wider range of
resource species. Specifically, given sufficient resource heterogeneity (Tylianakis et al.
2008b), a larger range of traits among consumers should reduce competition over shared
resources due to increased resource partitioning in more functionally diverse consumer
assemblages, allowing for the complementary use of resources (Figure 5.1, H3) (Striebel
et al. 2009; Poisot, Mouquet & Gravel 2013; Gagic et al. 2015). Therefore, if niche
complementarity determines rates of functioning, we would expect that dissimilarity of
functional dispersion should scale positively with dissimilarity of community energy
fluxes (Figure 5.1, H3). Finally, rates of energy flux may be purely biomass dependent,
regardless of the species assemblage, because greater species biomass inherently
increases energetic demands and, thus, energy flux among biomass pools. In such a case,
we would expect a positive relationship between dissimilarity in community biomass and

community energy fluxes (Figure 5.1, H4).
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Figure 5.1: Graphical representation of the four proposed mechanisms (H1 — H4) that drive
spatial variation in ecosystem functioning. Hypothetical examples illustrate how each mechanism
would drive variation in energy flux (black arrows) between two spatially and environmentally
distinct sampling plots (plot A and B). Blue and red circles represent biomass-weighted (circle
size) resource and consumer populations, respectively, with R; and C; denoting different resource
and consumer species. Graphs to the right of the example motifs indicate the hypothesized
relationship between turnover in the measured community attribute used to test the hypothesis and
turnover in energy flux.

In this study, we disentangle the relative contributions of B-diversity, a-diversity,
functional dispersion, and total biomass on community energy fluxes in temperate and
tropical litter macroinvertebrate communities. Using standardized sampling, we compared
litter invertebrate communities across two extensive spatial and environmental gradients
in managed German forests (48 plots) and plantation agriculture and agroforests in

Sumatra, Indonesia (32 plots) to assess the relative roles of spatial and environmental
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distance in determining community assembly and how these processes give rise to
variation in ecosystem functioning. In doing so, we disentangle the mechanisms that
mediate variation in ecosystem functioning across landscapes and determine how

geographic distance can be used to predict ecosystem functioning at large spatial scales.

5.3 METHODS

5.3.1 Study sites

To disentangle the mechanisms responsible for driving variation in ecosystem
functioning at the landscape scale, we compared plots across two spatially extensive
study regions comprising two landscapes in Sumatra, Indonesia and three landscapes in
Germany (Supplementary Figure 5.1). Plots in both regions were established across a
range of land-use management intensities. In Indonesia, plots were located in each of four
land-use types: primary degraded forest, jungle rubber agroforests, monoculture rubber,
and monoculture oil palm, replicated four times in each of two spatially independent
landscapes located near Bukit Duabelas National Park and Harapan Rainforest, making a
total of 32 plots. In Germany, plots were located in each of four land-use types of varying
management intensity: unmanaged beech forest, 70 year-old managed beech forest, 30
year-old managed beech forest, and intensively managed coniferous forest. These plots
were replicated four times in each of three spatially independent landscapes in the
Swabian Alb Biosphere Reserve, the Hainich National Park and the Schorfheide-Chorin
Biosphere Reserve, making a total of 48 plots (see Ott et al. [2014] for details of study
design). Within each region, the plots covered a large geographical range, with inter-plot
distance ranging from 0.1 to 90 km in Indonesia and from 0.3 to 630 km in Germany.

5.3.2 Quantifying spatial and environmental distance

Pairwise spatial distances among plots were calculated as Great Circle distances in
km separately for each study region. To quantify environmental distance, a total of 15
measured environmental parameters were used to characterise the 80 plots across both
study regions: mean soil moisture content, mean soil temperature, soil pH, litter depth,
and 11 different elements measured from the leaf litter (C, N, P, Al, Ca, Fe, K, Mg, Mn,
Na, and S). Soil moisture content (%) and soil temperature (°C) were recorded hourly

using soil sensors placed at 30 cm depth in the soil within each plot. Soil pH was analysed
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in a 1:4 soil-to-water ratio at the Indonesian plots (Allen et al. 2015) and a 1:10 soil-to-
solution (CacCl) ratio for the German plots (Ott et al. 2014a). Leaf litter samples were
collected at each of the 80 research plots and the amounts (mg) of 11 different elements in
leaf litter dry mass were analysed (see (Ott et al. 2014a) for details).

geographic environmental
—_—
distance distance

H1 A& H3 V\AH4

a-diversity FDis biomass

B - diversity —> dissimilarity dissimilarity dissimilarity

energy flux
dissimilarity

Figure 5.2: Diagram of all possible effects that were tested in the path model framework of this
study. Variables in the path models are indicated by grey boxes and represent distance matrices.
H1 — H4 denote where hypotheses 1 — 4 (as in Figure 5.1) were tested in the model. ‘FDis’ stands
for functional dispersion.

To select the environmental parameters that are most important for explaining
variation in biodiversity and ecosystem functioning of the sampled litter
macroinvertebrate communities, we employed two steps. Firstly, we ran a non-metric
multidimensional scaling (NMDS) ordination based on Jaccard dissimilarities of all
macroinvertebrate communities. Using the ‘envfit’ function in the ‘vegan’ package in R
(R Core Team 2015), we then performed a permutational vector fitting analysis of all 15
environmental parameters as raw and additionally log-transformed variables in the
ordination (for both the temperate and tropical data). Only the vectors that yielded a <
0.05 from the permutation tests were retained and then standardized by subtracting their
means and dividing by their standard deviations. In cases where both the logged and
untransformed variables were significant, we selected the variable with the highest R
value (see Supplementary Table 5.1 for details). Finally, we ran a principle component

analysis (PCA) with these retained variables, selected the site scores of the first three
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principal components (74.75% and 78.11% variation contained in the first three axes for
the Indonesian and German data, respectively) and calculated dissimilarities among all

plots as Euclidean distances.

5.3.3 Animal sampling and measurements

In both regions, macroinvertebrates were sampled from the leaf litter using litter
sieves. In Indonesia a total of three 1 m? subsamples were taken at each plot between
October and November 2012, and in Germany a total of four 0.25 m?subsamples were
taken from each plot in spring 2011. Leaf litter from each subsample was removed from
the surface of the ground down to the soil and placed in a coarse mesh sieve. All visible
invertebrates were hand collected and stored in ethanol, after which they were identified
to species or morphospecies. The number of species per plot was recorded and the
dissimilarity among plots in species richness (a-diversity) was then calculated as the log
response ratio (LRR) between values, from which we compiled a dissimilarity matrix for
each region. Furthermore, we calculated Jaccard dissimilarities among plots and compiled
dissimilarity matrices from these values to quantify dissimilarity in species composition
across each region.

Specimens were assigned to trophic groups based on a combination of taxonomy,
morphology and information from literature. The body lengths (mm) of all collected
individuals were measured and then converted to live body masses (mg) using allometric
equations from the literature (see Supplementary Table 3.1 for details and sources of
allometric equations). In addition, we assessed mobility of collected specimens based on
whether the individual was winged, legged, or both. If the specimen was a wingless
juvenile but was known to have a winged life stage then it was allocated to a winged
category. We also recorded whether or not each specimen was eusocial based on
taxonomy. Further details describing the justifications for trait selection and their
assignment can be found in Chapter 4. Finally, individual metabolic rates were calculated
for all collected individuals with regression equations using body masses, temperatures
measured at each plot, and taxonomic group (Ehnes et al. 2011).

Total community biomass was calculated by summing body masses from all
individuals collected at each plot. We then compiled dissimilarity matrices based on
LRR’s of total biomass values among all plots in each region. As a way of quantifying
heterogeneity in the functional roles of individuals present in each plot (i.e., to estimate

the potential for niche complementarity in sampled communities), we calculated
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functional dispersion of communities (Laliberté & Legendre 2010; Gagic et al. 2015)
from four measured traits: trophic group, body mass, mobility, and eusociality.
Specifically, functional dispersion calculates the mean distance of species to the
community trait-mean centroid weighted by their relative abundances (Laliberté &
Legendre 2010). Functional dispersion was calculated using the ‘FD’ package in R (R
Core Team 2015). Dissimilarity matrices were also compiled from LRR’s between
functional dispersion values at each plot for each region.

To measure ecosystem functioning in a way that incorporates all sampled trophic
levels into a single variable and can be easily quantified across large spatial scales, we
analytically assessed community energy flux for all 80 sampled communities across both

regions. To do so, we used the formula

1
F=—-(X+L)

a

where F is the total flux of energy into the biomass pool of a given trophic level, e, is the
diet-specific assimilation efficiency of a given trophic group (de Ruiter et al. 1993), X is
the summed metabolic rates of all individuals within a trophic group in a given
community, and L is the loss of energy from a given biomass pool to higher trophic levels
due to predation (Chapter 3). We then summed together fluxes among all trophic levels to
get a community-level measure of energy flux and compiled dissimilarity matrices from

LRR’s between total community energy flux values within each region.

5.3.4 Statistical analyses

In order to disentangle the roles of different components of biodiversity from pure
biomass effects in driving variation in ecosystem functioning across environmental and
spatial gradients (figure 5.1), we employed the use of multiple regression on distance
matrices (MRM) using the ‘ecodist’ package in R (R Core Team 2015) within a path
modelling framework. Specifically, MRM regresses a response matrix on any number of
explanatory matrices composed of dissimilarities or distances, allowing for the inference
of how differently measured multi- or univariate variables might influence each other
across environmental and spatial distance (Lichstein 2007). Previous studies have proven
path modelling to be a highly effective tool for disentangling the complex causal

relationships among environmental change, community attributes, and ecosystem
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functioning (Laliberté & Tylianakis 2012; Barnes et al. 2014b). Here, we use Shipley’s
(Shipley 2009) d-separation method of generalised causal path analysis, as this method is
highly flexible for using a variety of model types, such as MRM’s in this case.

To construct the path model, we first identified the basis set By of independence
claims that were implied by our hypothetical causal model (Figure 5.2). To do so, we
identified all pairs of variables in the path model with no arrow between them (i.e.
relationships that yielded p > 0.05). As such, By implies the dependence claims (i.e., pairs
of variables in the model with a causal arrow joining them) (Shipley 2009). The
independence claims in By describe the p; probability that variable pairs (X;, X;) are
independent conditional on the variable set Z, which is a direct cause of either X; or X;.

The combined p; of the full model was calculated as

k
C=-2) In(p)
i=1

and the C value was then compared to a chi-square (%) distribution with 2k degrees of
freedom (Shipley 2009). The resulting probability, P, indicates whether the data depart
significantly from what would be expected under such a causal model. A model is
rejected if the resulting P-value is smaller than the specified a-level (in this case o =
0.05). As such, if P > 0.05 the causal model is considered to provide a good fit to the data
(Shipley 2009).

The path model was constructed to test how spatial and environmental distance
can influence the role of four different mechanisms through which biodiversity can drive
spatial variation in ecosystem functioning: H1) species composition, H2) a-diversity, H3)
functional dispersion, and H4) community biomass (Figure 5.1 and Figure 5.2). In
addition, we assumed and tested for effects of B-diversity on a-diversity and functional
dispersion, as well as effects of these three variables on community biomass (Figure 5.2).

All MRM models were performed with 10,000 permutations to ensure stable
estimations of P-values that were used to calculate the C statistic in the path models. To
assess the relative importance of environmental versus geographical distance for
dissimilarity in species composition, a-diversity, functional dispersion and biomass, as
well as the relative importance of these variables for driving dissimilarity in community
energy fluxes, we calculated range-standardized coefficients for each predictor variable as

recommended by (Grace 2006). Specifically, this is a standardization of raw coefficients
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Bxy expressing the effect of x on y, whereby the range-standardized coefficient Bstdyy = Byy -
(Xmax — Xmin)/(Ymax — Ymin), Where the max and min values are the largest and smallest
calculated dissimilarity values from the distance matrices. This method of coefficient
standardization yields dimensionless coefficients that can be interpreted as the
proportional change in y across the range of x after controlling for all other predictors in
the model. All data preparation and statistical analysis was carried out in R 3.1.3 (R Core
Team 2015).

5.4 RESULTS

In both the Indonesian and German study regions, geographic and environmental distance
played an important role in structuring litter macroinvertebrate communities. The
strongest spatial and environmental turnover was observed for species composition (-
diversity), compared with the other diversity variables across the two regions. Across the
sampling sites in Indonesia, we found that environmental distance played a larger role
than geographic distance in driving B-diversity (Figure 5.3a), with species dissimilarity
changing by 23% versus 10% over its measured range (Supplementary Table 5.2) across
the environmental and spatial gradients, respectively. In contrast, geographic distance had
a stronger effect on species turnover than environmental distance at the German sites
(Figure 5.3b), with a shift in species dissimilarity of 20% compared to 23%
(Supplementary Table 5.2) across the environmental and spatial gradients, respectively.
Despite the combined effects of spatial and environmental distance on B-diversity, there
was relatively low variance in B-diversity explained by these variables in Indonesia (R? =
0.15), but considerably higher variance explained at the German sites (R* = 0.26, Figure
5.3). Interestingly, the other measures of macroinvertebrate community structure only
responded to geographic distance, with a very weak response of dissimilarity in
functional dispersion to geographic distance in Indonesia and similarly weak but
significant turnover in a-diversity and biomass across the spatial gradient at the German
sites (Figure 5.3).
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Figure 5.3: Path models constructed from multiple regression on distance matrices (MRM)
testing for the different mechanisms that determine spatial variation in energy fluxes of litter
macroinvertebrate communities across landscapes in a) Indonesia and b) Germany. H1 — H4
denote hypothesis tests as shown in Fig. 2. ‘FDis’ stands for functional dispersion. Values under
each response variable indicate the R? for each individual MRM. Values next to each arrow are
the unstandardised coefficients and arrow widths indicate the range-standardized effect size of
each predictor variable. Asterisks denote significance levels: * p < 0.05; ** p < 0.01; ***p <
0.001.
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The high B-diversity observed across sites in both regions (71 — 99% and 53 —
98% species turnover in Indonesia and Germany, respectively), which was partially
driven by the spatial and environmental gradients in these sampling regions, was an
important determinant of dissimilarity in a-diversity and community biomass (Figure
5.3). Specifically, the overall 29% shift in B-diversity in Indonesia and 45% shift in
Germany across their measured range directly drove a respective 59% and 41% change in
a-diversity across these study regions. However, the explained variance for turnover in a-
diversity was low, with an R? of 0.16 in Indonesia and only 0.10 in Germany. We found
that community biomass also responded with a 35% change across the measured range of
B-diversity, but this pattern was only evident at the German sites. Consequently,
substantially more variation in biomass turnover could be explained across the German
sites (R*= 0.38) compared to the Indonesian sites (R* = 0.24).

Interestingly, the emergence of specific and generalizable mechanisms that drive
turnover in ecosystem functioning across sites was clear from our path models. In both
regions, we found a clear effect of a-diversity and biomass on energy fluxes (Figure 5.3).
Specifically, this means that with increasing dissimilarity in the total number of species
and total biomass between sampling sites we found a resulting increase in the
dissimilarity of energy fluxes of these sites. Across both the Indonesian and German sites,
there were relatively similar changes in community energy fluxes across the range of a-
diversity (27% in Indonesia and 21% in Germany). This likeness between the two regions
in turnover of energy fluxes also held in response to turnover in biomass, with a 73%
change in energy flux dissimilarity in Indonesia and a 77% change in Germany across
their respective ranges of community biomasses (Figure 5.3; Supplementary Table 5.2).
At the German sites only, we found a residual effect of geographic distance on energy
flux turnover after controlling for all other predictors in the path model, but this effect
was extremely weak (only a 5% change) compared to those of a-diversity and biomass
(Figure 5.3; Supplementary Table 5.2). In addition to the clear detection of mechanisms
driving spatial turnover in energy flux, we also found that a high proportion of variation
in energy flux turnover was explained by these mechanisms (76% and 79% in Indonesia

and Germany, respectively).
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5.5 DiscussioN

By employing a landscape-level approach across a tropical and temperate region, our
study effectively disentangles the mechanisms responsible for driving differences in
ecosystem functioning across landscapes. We found that both spatial and environmental
distance are important for driving turnover in community composition, leading to clear
differences among sampling sites in overall rates of energy flux in multitrophic
communities of litter macroinvertebrates. Despite some differences in the relative
strength of effects on various community attributes (such as a- and p-diversity) and
energy fluxes, we found remarkable similarities in the mechanisms driving these
responses between the Indonesian and German study regions.

As expected, both geographic and environmental distance among plots predicted
turnover in species composition, which was clearly evident in both study regions.
Interestingly though, environmental distance had a stronger effect on species turnover in
the Indonesian communities whereas geographic distance had a stronger effect in the
German communities. These findings seemingly contradict those of (Myers et al. 2013),
who showed that environmental factors played a stronger role in driving species turnover
in a temperate compared with a tropical region. Our results may differ because of the
different taxa among the two studies, i.e., plants versus litter macroinvertebrates, as
dispersal of these two groups is likely to differ considerably, thus leading to different
mechanisms of assembly operating on these organisms. In any case, our findings could
provide evidence for greater environmental filtering processes in the tropical Indonesian
communities compared to stronger dispersal-dependent random assembly in the
temperate German communities (Myers et al. 2013). Alternatively, the larger total
geographic extent across the German study region (630 km) could inherently give rise to
overall higher species turnover compared to the Indonesian study region (90 km).
Nevertheless, the range of environmental distance among plots was highly similar
between the Indonesian study region (0.097 — 3.862 Euclidean distances) and the German
study system (0.149 — 3.840 Euclidean distances). Therefore, the 36% stronger
standardized effect of environmental distance on -diversity in Indonesia compared with
Germany quite likely indicates that the tropical communities are more subject to
environmental filtering than the temperate communities.

We found that turnover in species composition (B-diversity) strongly predicted

dissimilarity in total species richness among communities (a-diversity) in both of the
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study regions. This result could suggest that coexistence of species at the local scale
might depend on functional differences among species that allow them to utilise resources
differently (Kneitel & Chase 2004). In other words, particular species assemblages are
likely to give rise to greater numbers of species in assemblages where antagonistic
interactions, such as predation and competition, are weaker. As such, we would expect [3-
diversity to predict dissimilarity of a-diversity among plots. However, these results
should be interpreted with caution, since a-diversity and B-diversity are typically highly
correlated when turnover is calculated using Jaccard dissimilarities (Chao, Chazdon &
Shen 2005). In both the Indonesian and German study regions, increasing dissimilarity
among communities also resulted in greater among-plot dissimilarity in total biomass.
These results are confirmative of a multitude of previous studies showing that species
richness drives patterns in productivity, especially for primary producer organisms (e.g.,
Tilman et al. 2001; Cardinale et al. 2013). Interestingly, we also found an effect of
species composition on community biomass in the German litter communities suggesting
that the combined identities of particular species might be driving varying levels of
biomass across these landscapes. For example, the occurrences of particular species that
are competitively dominant where particular resources are available are likely to drive
locally increased biomass in European forests (Salamon et al. 2006).

Perhaps most strikingly, we found highly consistent patterns between the tropical
and temperate study regions in the mechanisms that were directly responsible for spatial
variation in ecosystem functioning. In both study regions, we found that dissimilarity in
biomass and species richness among plots was highly important for dissimilarity in
energy flux. In fact, even the standardized effect size of these variables on energy flux
were almost identical between the two regions, with changes in energy flux turnover of
73% in Indonesia versus 77% in Germany in response to biomass turnover, and 27%
versus 21% changes in energy flux turnover (in Indonesia and Germany, respectively) in
response to a-diversity turnover. These results strongly support the species richness (H2)
and biomass (H4) hypotheses. Regarding the species richness hypothesis, it is likely that
increasing species richness of potential prey in litter invertebrate communities allows for
increased resource exploitation by higher trophic-level consumers (Gamfeldt, Hillebrand
& Jonsson 2005). As Gamfeldt et al. (2005) demonstrate experimentally, this should also
result in higher biomasses of consumer species and, thus, overall higher community
biomass. As such, dissimilarity in a-diversity among communities should also drive

dissimilarity in biomass; a pattern which our path models both strongly support.
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Furthermore, after holding constant any effects of species richness on energy flux, spatial
variation in litter invertebrate biomass still had a very strong effect on spatial variation in
energy flux indicating that, regardless of any resource diversity effects, total biomass of
organisms expectedly plays an important role in determining ecosystem process rates
(Barnes et al. 2014b).

Although we did not find any direct effects of functional dispersion (H3) or -
diversity (H1) on spatial variation in energy fluxes, this does not necessarily mean that
these factors do not play a role in shaping spatial patterns in ecosystem functioning in
litter macroinvertebrate communities. On the contrary, our path models indicate that there
were indirect effects of species turnover on energy flux via spatial variation in o-
diversity, likely resulting from altered patterns in coexistence of various species in both
the tropical and temperate communities (Kneitel & Chase 2004). Therefore, although
these indirect effects of B-diversity do not lend support to the species composition
hypothesis (H1), our results do indicate that there are multiple interacting mechanisms
that drive spatial variability of ecosystem functioning in real-world systems.
Nevertheless, our results also indicate that a very simplistic set of predictors, i.e., species
richness and total biomass, may provide the strongest predictive power for ecosystem

functioning at the landscape scale.

55.1 Conclusions

Our study provides new insight into the mechanisms that determine spatial
patterns in multitrophic biodiversity and ecosystem functioning by confirming results
across both tropical and temperate landscapes. Despite some minor differences among our
two study regions in the mechanisms driving spatial variation in ecosystem functioning,
we find remarkable similarity from the tropical to temperate systems, indicating that
globally consistent and generalizable patterns in biodiversity and ecosystem functioning
relationships at the landscape scale likely exist. These results call for various new avenues
of BEF research, such as the extension of landscape-level mechanistic tests of BEF
relationships to freshwater, marine, and other terrestrial ecosystems, as the spatial
dynamics of these systems could vary (Soininen, Lennon & Hillebrand 2007). Moreover,
investigating spatial variation in energy flux among trophic levels could shed light on
how trait-dependent loss of biodiversity could lead to rapid decay of ecosystem services
at larger spatial scales (Larsen et al. 2005). In recent years, the merging of food web

ecology and BEF research has moved toward centre stage (Reiss et al. 2009) due to the
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enhancement of predictive accuracy with increased ecological complexity. Bringing these
merged fields of ecology into the arena of spatial ecology presents an exciting new

frontier in the exploration of biodiversity-ecosystem functioning relationships.
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Chapter 6

Synthesis

6.1 SYNOPSIS

With the increasing expansion and intensification of anthropogenic land use, natural
ecosystems face ever greater peril (Foley et al. 2005). A continuously rising human
population is one of the main drivers of this environmental pressure, due to concurrent
demands for natural resources (Ehrlich & Ehrlich 2013). This growing demand has
resulted in the intensification of agriculture in developed nations and especially severe
agricultural expansion coupled with deforestation in developing tropical countries
(Matson et al. 1997; Lambin & Meyfroidt 2011; Laurance et al. 2014). We are now
beginning to see more contemporary trends in the intensification of tropical land-use
systems, such as through the conversion of agroforests to large-scale monoculture rubber
and oil palm plantations (Wilcove et al. 2013). While the mechanisms that determine
trajectories of ecological change following land-use conversion and intensification are
virtually innumerable, there is an increasingly fundamental need to quantify the role of
these mechanisms. Only by understanding these mechanistic processes can we hope to
develop a framework that allows for the prediction of realistic future global-change
scenarios (Pereira et al. 2010).

There has generally been a focused concern over the loss of biodiversity in
response to global environmental change, particularly regarding the impacts of land-use
change (Sala et al. 2000; Cardinale et al. 2006; Gardner et al. 2009; Pimm et al. 2014). It
is becoming increasingly evident that not only losses in biodiversity but also alterations of
population biomass and community composition are collectively driving important shifts
in the way that species interact in complex ecosystems (Tylianakis et al. 2008a).
Anthropogenically driven modification of species interactions can alter the response of
ecological communities to disturbances by indirectly altering multiple interacting species,
such as through trophic cascades (Pace et al. 1999; Frank et al. 2005; Jochum et al.

2012). Species interactions are also fundamental for the provisioning of ecosystem
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functions as they regulate the transfer of energy across trophic levels (Chapin Il et al.
2000; Duffy et al. 2007; Reiss et al. 2009). Therefore, accounting for species interactions
in anthropogenically altered ecosystems is crucial if we are to grasp the scale of land-use
impacts across multiple taxa. In addition, variation among species in their functional traits
gives rise to variability in the way that species interact (Thompson et al. 2012), how they
respond to environmental change (McGill et al. 2006), the influence that these species
have on ecosystem processes (Larsen et al. 2005), and the resilience and stability of
whole species assemblages to future ecological perturbations (Mori et al. 2013).
Together, accounting for species interactions as well as functional traits can therefore be a
powerful approach for investigating land-use impacts on ecological communities and how
these impacts will alter the provisioning and stability of ecosystem functions. Species
richness has been repeatedly shown to be an important driving mechanism in the
provisioning and stability of ecosystem functioning (Balvanera et al. 2006). Despite this,
the role of different mechanisms for driving ecosystem functioning at the landscape scale
is poorly understood, even though land-use impacts on biodiversity occur from the local
to global scale (Foley et al. 2005; Newbold et al. 2015).

In this thesis | investigated the impacts of tropical land-use intensification on
complex multitrophic communities by firstly determining whether bottom-up trophic
interactions mediate land-use effects, or if these effects are rather directly imposed at
different trophic levels across a broad range of taxa in Sumatra, Indonesia (Chapter 2). |
demonstrated that the importance of trophic interactions increased with trophic level,
whereby impacts of land-use intensification shifted from being mostly direct at lower
trophic levels to predominantly indirect at the highest trophic levels. After establishing
the importance of trophic interactions for mediating the response of these tropical
ecosystems to land-use intensification, | tested how the alteration of litter invertebrate
communities leads to losses in ecosystem functioning across multiple trophic levels
(Chapter 3). Specifically, by combining aspects of metabolic theory (Ehnes et al. 2011)
with food web theory (de Ruiter et al. 1994), | analytically calculated whole-community
energy flux and demonstrated that, through the alteration of community structure and
species diversity, land-use intensification to oil palm agriculture brought about large
reductions in multitrophic ecosystem functioning. Following this discovery, | employed a
trait-based approach to measure the response diversity and functional redundancy of these
litter macroinvertebrate communities (Chapter 4). | found that in more intensive land-use

systems, communities appeared to be more randomly assembled in conjunction with
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having reduced species richness. This resulted in an overall reduction in functional
redundancy, indicating that invertebrate communities in intensified land-use systems such
as oil palm plantations may be at risk of drastic losses in ecosystem functioning. Finally, |
employed the methods developed in Chapter 3 for calculating multitrophic energy flux of
litter invertebrate communities in tropical and temperate ecosystems to disentangle the
mechanisms that drive variation in ecosystem functioning across spatial and
environmental gradients. In doing so, | discovered that more complex measures of
biodiversity (i.e., functional trait dispersion and species composition) that are related to
niche complementarity and identity effects played no important role in explaining
variability in ecosystem functioning. Instead, the simplest measures of community
composition i.e., species richness and community biomass were clearly the most

important drivers of variation in ecosystem functioning.

6.2 DISCUSSION

While there has been considerable interest in the impacts of global change on species
interactions through the occurrence of trophic cascades (Pace et al. 1999), there has been
a lack of studies that mechanistically test for such processes across a large range of
trophic levels (Tylianakis et al. 2008a). Furthermore, a clear understanding of how
trophic cascades play a role in the response of multitrophic communities to tropical land-
use change is virtually absent (Gardner et al. 2009; Tscharntke et al. 2012b). In Chapter
2, based on previously established evidence for extensive bottom-up effects following
manipulations of primary producers (Scherber et al. 2010), I developed two main
hypotheses to explain how multitrophic communities will respond to land-use
intensification: 1) the direct land-use effects hypothesis and 2) the cascading land-use
effects hypothesis. Unlike previous studies that tested for the occurrence of trophic
cascades in response to environmental perturbations, | employed a structural equation
modelling (SEM) framework (Grace 2006) to test for causal trophic pathways of
community responses throughout a broad range of trophic levels across variably
intensified tropical land-use systems. An immediately evident pattern from this SEM was
that land-use intensification imposed very strong, direct impacts on almost all trophic
levels except for predators, with especially strong effects on below-ground taxa. This is

quite likely because of the expected strong effects of intensive management practices
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such as fertilisation and pesticide application on soil microbes and invertebrates (Mader et
al. 2002; Zhang et al. 2009; Geiger et al. 2010) as well as on plant communities (Hautier
et al. 2009). Within the SEM framework, | allowed for the interaction between
background environmental variation and land-use effects, which demonstrated that the
impacts of land-use intensification are somewhat dependent on the environmental context
of a given location, such that soil properties either diminished or exacerbated land-use
effects on plant and litter invertebrate communities. Interestingly, | found that birds did
not exhibit strong responses to either direct or indirect land-use effects, with the exception
of predatory birds that were affected by their prey’s diversity and abundance. This result
points to the issue of using highly mobile taxa such as birds for local-level investigations
of land-use intensification, as these taxa are more likely to be affected by larger
landscape-level processes (Kremen et al. 2007; Gabriel et al. 2010). Of particular interest
was the shift toward the importance of bottom-up trophic effects with increasing trophic
level in this system. This finding raises the question of why the highest trophic level
groups were hardly affected by land-use intensification but strongly controlled by their
resources, compared with the lower trophic levels. Quite likely, this occurs because
higher trophic levels are dependent on more trophic levels beneath them, so even if
certain predatory species might be resilient to direct land-use impacts, they will still be at
risk of extinction if their resources are strongly affected (Purvis et al. 2000). Results from
this study suggest that the detection of trophic cascades in ecosystems following land-use
intensification will, at least in part, depend on the trophic breadth of the taxa sampled.
This is because both direct and cascading land-use effects structure respondent
communities, but the importance of these effects scale with trophic level. In conclusion,
conservation efforts at lower trophic levels will likely benefit from focusing on direct
land-use impacts such as agrochemical inputs, whereas conservation of higher trophic
level taxa will depend on the maintenance of their resources, pointing to the overall
efficacy of a bottom-up management strategy.

In Chapter 3, my aim was to take into account the clearly established importance
of trophic interactions in ecosystems to determine how tropical land-use change impacts
ecosystem functioning of multitrophic communities. In order to answer this question, |
narrowed the taxonomic scope to litter macroinvertebrate communities and developed a
measure of ecosystem functioning that could be calculated for multitrophic communities,
irrespective of the number of trophic levels. By combining concepts from the metabolic
theory of ecology (Brown et al. 2004) and food web theory (de Ruiter et al. 1993, 1994),
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| calculated the flux of energy from each resource biomass pool to the respective
consumer biomass pools. In doing so, this measure essentially captured a dynamic
ecological process that is dependent on the combined metabolic demands of the consumer
populations, the assimilation efficiencies of these populations, and also the loss of energy
to higher trophic levels. As such, this measure accounts for the energetic demands of
organisms, their ability to digestively assimilate energy from their food, as well as the
trophic topology of the community that these organisms are a part of. By summing up the
fluxes of energy to all biomass pools in each community, | was consequently able to test
for the effects of land-use type on multitrophic biodiversity and ecosystem functioning
without any restriction to a particular trophic level. | found that different trophic groups
responded differently to land-use change, whereby predators and detritivores decreased
strongly in biomass from forest to oil palm plantations, compared with a slight increase in
omnivore biomass. In contrast, however, energy fluxes for all trophic groups declined
strongly from the forest to oil palm systems. These results indicate that biomass may not
necessarily provide an accurate surrogate for the processing of resources and energy
uptake of consumers, despite the fact that biomass has been a very widely applied
measure of function in biodiversity-ecosystem functioning (BEF) research (Hooper et al.
2005; Balvanera et al. 2006). Interestingly, by regressing community energy flux on
species richness at the whole community level, | found a significantly steeper increase in
energy flux within the oil palm plantations compared to the other less intensive land-use
systems, suggesting low functional redundancy in oil palm plantations (Naeem & Wright
2003). In addition, I compared this overall relationship against BEF relationships of
individual trophic groups, which clearly demonstrated that BEF relationships are
dependent on the trophic group in question. Therefore, this chapter provides strong
support for the importance of incorporating trophic complexity into BEF research (Duffy
et al. 2007).

The striking results that emerged from developing a fully multitrophic measure of
ecosystem functioning stimulated the investigation of how biodiversity loss in litter
communities might compromise functional stability within intensified agriculture, as well
as the mechanisms underlying BEF relationships in multitrophic communities at large
spatial scales (Chapter 4 and 5). Theory suggests that at high levels of species richness,
the provisioning of ecosystem functions is likely to be more stable because there are more
functionally similar species that can maintain an ecosystem function should other species

be lost from the ecosystem (Naeem & Wright 2003). In addition, communities composed
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of more functionally dissimilar species should theoretically be more resilient to a variety
of ecological disturbances (Mori et al. 2013). To quantify the resilience and functional
stability of litter macroinvertebrate communities in intensified tropical land-use systems, |
used species traits to test for the likely mechanisms driving community assembly in
different systems (Mouchet et al. 2010). | found that oil palm communities appeared to be
assembled more randomly than in the other less intensively managed systems. This was
evident by an overall higher community-level dispersion of traits, which is indicative of
weak ecological filtering acting on these species assemblages. Furthermore, | calculated
response diversity by measuring the average trait dispersion within functional response
groups (based on traits that determine a species’ response to disturbances) and functional
redundancy by calculating the mean number of species within functional effect groups
(based on traits that determine a species’ influence on ecosystem processes). These
measures gave an indication of community resilience and functional stability at each
sampling site. Similar to a previous study on plant communities (Laliberté et al. 2010), |
found that litter invertebrate communities in the more intensively managed oil palm
plantations had considerably lower functional redundancy than in the less intensive
systems. This finding shows that in multitrophic invertebrate communities, the propensity
for losses in entire ecosystem functions rises with increasing land-use intensification,
given future ecological perturbations. Moreover, | found that intermediate-intensity
agricultural systems such as jungle rubber agroforestry as in this study are likely to act as
reservoirs of functional stability in human-dominated landscapes. These results highlight
the importance of interspersing these low-intensity agroforestry systems in expansive
monoculture-dominated landscapes in order to maintain the provisioning of crucial
ecosystem services such as nutrient cycling and biological control.

One of the most important challenges in contemporary BEF research has been to
relate findings from small-scale experimental studies to larger-scale real-world scenarios
in determining the underlying mechanisms that drive variation in ecosystem functioning
(Duffy 2009; Cardinale et al. 2012). This is, perhaps, partly due to the constraints of
measuring ecosystem functioning—especially in complex multitrophic communities—at
larger scales in uncontrolled experiments. Essentially, by developing an analytical
measure of multitrophic ecosystem functioning, | was able to overcome this limitation.
This allowed me to test for the mechanistic drivers of spatial variation in ecosystem
functioning across multiple landscapes in Indonesia and compare these results to similarly

sampled litter invertebrate communities across multiple landscapes in Germany. By once
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more employing an SEM framework (Grace 2006), but this time based on distance
matrices (Lichstein 2007), | developed a series of hypotheses that could be
simultaneously tested in order to discern the mechanisms that give rise to spatial
variability in ecosystem functioning. In doing so, these analyses revealed that
environmental distance seemed to play a greater role in determining species turnover in
the Indonesian landscapes than in Germany, with little difference in the effect of
geographic distance between regions. This was surprisingly in contrast to a previous
study on plant communities that found the converse pattern between a tropical and
temperate region (Myers et al. 2013), suggesting that different assembly mechanisms
might operate on different taxonomic groups depending on their mobility. Nevertheless,
species turnover seemed to play no part in driving spatial variability in community energy
flux, thus providing no support for the notion that species’ identities influence the
provisioning of ecosystem functioning at the landscape scale. Similarly, functional
dispersion had no apparent effect on the turnover of energy flux, also pointing to the
triviality of niche complementarity at larger spatial scales. In contrast, | found that the
two most simple measures of community structure i.e., species richness and community
biomass, were responsible for explaining spatial variation in energy flux. Taken together,
these results suggest that if one is to scale up measured ecosystem functions from the
local- to landscape-scale, the key co-variables to be considered for litter
macroinvertebrate communities would be species richness and biomass. Through the
novel advance in developing an easily calculable measure of ecosystem functioning for
multitrophic communities, combined with the integration of distance matrices within a
flexible SEM framework, this chapter provides new insight into the underlying
mechanisms of BEF relationships at large spatial scales.

6.3 FUTURE PROSPECTS AND CHALLENGES

By drawing from broad areas of ecological theory such as the ecology of global change,
food web ecology, metabolic theory, and biodiversity-ecosystem functioning theory, this
thesis presents a significant advance in understanding of how complex ecosystems will
respond to anthropogenic land use. The application of cutting-edge statistical techniques
such as the flexible multi-level path modelling (SEM) in Chapters 2 and 5, as well as the

development of a highly versatile measure of multitrophic ecosystem functioning were
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instrumental in bringing about the advances presented here. The results from the novel
investigations in this thesis inherently give rise to a whole new suite of unanswered
questions that present many exciting new directions for future research.

In Chapter 2, the finding that plants appear to drive negative effects within the less
intensive land-use systems might imply that the bottom-up effects propagating upward
from primary producers could be dependent on the total species richness of the system. In
order to test this notion, experimental field plots could be established in high-diversity
systems such as tropical rainforests and agroforest systems where plant diversity and
biomass could then be manipulated. This would complement the similar studies already
carried out in relatively low-diversity grassland systems (Haddad et al. 2009; Scherber et
al. 2010; Borer et al. 2012), providing the capacity to assess whether positive bottom-up
effects typically found in temperate grassland studies can be generalised to high-diversity
ecosystems. Furthermore, the generalisability of the findings from these studies could be
greatly increased by accounting for other potential interacting global change drivers. For
example, habitat fragmentation and climate change are expected to synergistically interact
by reducing the ability of organisms to move through fragmented landscapes in order to
track rising temperatures (Hof et al. 2011). This interaction has been shown behaviourally
in a microcosm experiment (Barnes et al. 2015) in the absence of species interactions.
However, field experiments that combine warming treatments (e.g., Brzostek et al. 2012;
Eisenhauer et al. 2012) with experimentally fragmented plots, along with varying levels
of land-use intensification (by altering levels of pesticide and fertiliser applications) could
then utilise a similar analytical approach as in Chapter 2. This would greatly advance our
understanding of how multiple interacting drivers of ecological change impact
ecosystems that are structured by species interactions.

In addition to measuring species diversity and biomass in communities subjected
to experimental warming and land-use intensification, the investigation of ecosystem
functioning responses will provide important insights into the future provisioning of
ecosystem services in intensifying agricultural landscapes. In particular, increasing
temperatures due to climate change will likely influence energy flux (Chapter 3 and 5)
among trophic levels. This is because metabolic rates (Brown et al. 2004) and
assimilation efficiencies (Lang et al. unpublished data) scale positively with temperature.
Therefore, these physiological temperature dependencies could result in unforeseen
consequences for energy flux. This presents the intriguing possibility of investigating

combined effects of land-use intensification and warming in experimental plots, as
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discussed above, on rates of community energy flux across multitrophic communities.
Perhaps one of the main challenges for increasing the accuracy of this approach to
measuring energy flux is the refinement in trophic structure to better estimate realistic
losses of energy to predation. However, with the increasing focus of studies on global
change drivers toward species interactions, datasets that have fairly resolved trophic
topologies are becoming more common (Tylianakis et al. 2008a). Therefore, the ability to
incorporate more detailed trophic structures into energy flux calculations is within reach.

In Chapter 4, | demonstrated a greater likelihood of functional collapse in litter
invertebrate communities inhabiting intensively managed agricultural systems, as has
been similarly shown in plant communities (Laliberté et al. 2010). These findings
introduce very important unanswered questions: i.e., what kind of future perturbations
will yield functional collapses, how strong do these perturbations need to be, and what
scale of functional collapse are these communities facing as a result? A modelling
approach would provide a strong framework under which these questions could be
explored. For example, by altering the type of environmental perturbation, such as an
extreme climatic event or the introduction of an invasive species, one could test for
thresholds of losses in functional groups resulting from species extinctions. Under such a
framework, the level of functional dispersion and number of species within functional
groups (i.e., response diversity and functional redundancy, respectively) could be varied
along with changes in the intensity and type of perturbation. In addition, using the method
developed in Chapter 3 to calculate multitrophic energy fluxes, actual measures of whole-
community ecosystem functioning could be calculated for model communities that would
indicate the expected provisioning of ecosystem functioning for communities following
losses in functional diversity. Such modelling experiments would provide important
insight into exactly how prone ecosystems are to functional collapses under different
global change scenarios by elucidating the boundaries of “safe” operating spaces for
communities that have previously undergone varying levels of species loss.

By expanding the development of a widely applicable measure of multitrophic
energy flux to the landscape scale, | was able to determine the most important
mechanisms of community composition that drive variability in ecosystem functioning at
larger spatial scales. In particular, the comparison of the litter macroinvertebrate dataset
from Indonesia with a similar dataset from Germany illuminated intriguing possibilities
for future exploration; namely, whether BEF relationships change across geographical

biomes or, more generally, across a latitudinal gradient. Perhaps one of the greatest
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unanswered questions in ecology is why there is decreasing species richness with
increasing latitude (Pianka 1966; Brown 2014). Strictly speaking, according to BEF
theory (Naeem & Wright 2003), this latitudinal gradient in species diversity should result
in a similar latitudinal gradient in ecosystem functioning. However, there are many
factors that differ which could mediate the prevalence of such a gradient. For example,
higher temperatures in the tropics could drive higher rates in energy flux due to increased
metabolic rates. The notion of such a latitudinal gradient in ecosystem functioning is
virtually unexplored, but with the application of analytically calculated energy fluxes,
such global patterns can be mechanistically investigated. Additionally, species-area
relationships (SARs) provide a strong framework for understanding how many species
can persist in differently sized habitats, thus providing a strong tool for understanding
global-change impacts on ecosystems (Thomas et al. 2004; Rybicki & Hanski 2013).
Taking into account the conceptual advances from Chapters 3 and 5 in measuring
multitrophic ecosystem functioning and the potential application across different spatial
scales, it is possible that the same principles of SARs could be applied to energy fluxes.
In principle, this could allow for the estimation of ecosystem functioning of landscapes or
even geographic regions, as long as the area-functioning relationship is correctly
parameterised by covarying species- and biomass-area relationships. This potential
avenue of research could open the possibility of estimating landscape-level ecosystem
functioning under varying land-use regimes whilst taking into account factors such as
landscape heterogeneity or habitat fragmentation that operate at large spatial scales
(Fahrig et al. 2011; Tscharntke et al. 2012b).

With current rates of biodiversity loss and the parallel degradation of ecosystem
services, studies that elucidate generalised patterns in ecosystem responses to global
environmental change are evermore crucial for developing strategies to mitigate these
losses. By integrating across a broad range of ecological concepts and incorporating real-
world ecological complexity, the research chapters and synthesis of this thesis present an
important contribution to this elucidation. While considerable gaps in scientific
understanding have been filled by this contribution, it has also brought to light other
important areas that require further exploration. In doing so, this thesis illuminates
exciting challenges and opportunities that lie on the horizon for research investigating the

impacts of global change drivers on the structure and functioning of complex ecosystems.
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SUPPLEMENTARY INFORMATION — CHAPTER 2

Supplementary Figure 2.1 Map of the study region with an overview of Sumatra (a) and Jambi
Province (b) with red and blue points denoting the 16 sites in Bukit Duabelas landscape and the
16 sites in Harapan landscape, respectively. Additionally, the spatial layout of the sampling sites
in Bukit Duabelas landscape (c) and Harapan landscape (d) is represented by coloured crosses for
forest (F), jungle rubber (J), rubber (R) and oil palm (O).

a

1 b

-5

F
+J
- R
+0
_|_
+
.;t+
10 km

+

d
F
+J
g R
+ + O
T
_f_¥
P

10 km

127



Supplementary Table 2.1 Full list of measured biotic variables organized into major taxonomic
groups. Values are means of biomass and diversity (species richness) within each land-use

system.

Biotic variable Unit Forest  Jungle rubber  Rubber Qil palm
Plants

aboveground biomass Mg ha™ 321.42 115.28 61.06 42.30
belowground biomass Mg ha™ 70.28 37.46 21.49 18.92
diversity 274.50 158.75 61.63 71.13
Microbes

biomass mg N kg™ 781.04 750.03 511.00 509.85
archaeal diversity 123.81 112.95 105.84 114.56
bacterial diversity 957.10 1052.08 1258.71 1373.77
Litter invertebrates

detritivore biomass mg 3 m* 103.89 55.79 50.39 35.24
detritivore diversity 22.50 23.63 17.63 13.38
herbivore biomass mg 3 m? 9.29 13.94 31.90 7.63
herbivore diversity 3.88 5.75 7.88 4.38
omnivore biomass mg 3 m? 62.93 49.45 75.08 76.65
omnivore diversity 26.63 18.75 18.88 14.50
predator biomass mg 3 m? 166.37 97.61 95.41 42.40
predator diversity 41.25 33.63 29.88 19.38
Arboreal ants

biomass mg / bate station hr 8.89 10.65 10.61 32.07
diversity 9.88 8.11 13.38 13.33
Birds

herbivore biomass g per plot 2930.28 517.39 166.18 461.91
herbivore diversity 2.75 2.88 2.50 4.00
omnivore biomass g per plot 136.33 25.01 41.64 33.25
omnivore diversity 1.25 0.5 0.5 0.25
predator biomass g per plot 453.78 255.87 196.60 162.39
predator diversity 4.75 3.38 2.38 2.00
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Supplementary Figure 2.2 Directed acyclic diagram exhibiting all possible independence claims
that were tested within the multilevel path model. Arrows leading from and to whole variable
groups (variables enclosed within grey polygons) indicate that all variables within these groups
are either respective predictor or response variables in such indicated models (for visual
simplification). Black circular nodes between land-use change and the environmental variables
indicate where interaction terms were also included in the independence claims.
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Supplementary Table 2.2 Model parameters for all dependence claims in the multilevel path
model. Unstandardised coefficients and their respective standard errors are taken from the initial
model with mean-centred variables. The z-scores column gives coefficients from the path model
after being re-run with standardized values (mean-centred variables divided by twice their stand
deviation). Marginal R? values indicate total proportion of variance explained by significant
predictors and their conditioning variables in the significant models.

response fixed effects unstan(_ja_rdlzed std. error  z-score  p-value margzmal
variable coefficients R
plant Div.Mass.  land use -4.090 0.180 -1.194 < 0.001 0.955
land use*Nut.Ret. -0.315 0.095 -0.305 0.028
microbial Mass.  land use -0.199 0.081 -0.563 0.002 0.477
Nut. Ret. -0.053 0.014 -0.496 <0.001
land use*soil
Org.Mat. 0.084 0.055 0.669 0.019
microbial Div. land use 662.743 136.534 1483 <0.001 0.538
microclimatic Var. -86.477 36.765 -0.572 0.027
Arb.Ant Mass. land use 0.635 0.113 0.952 <0.001 0.535
Arb.Ant Div. land use 3.546 1.580 0.445 0.004 0.305
Inv.Herb.Mass.  plant Div.Mass. -0.727 0.327 -2.068 0.038 0.001
Inv.Herb.Div. land use -1.501 0.531 -2.568 0.019 0.340
plant Div.Mass. -0.308 0.141 -1.806 0.041
Inv.Detr.Mass. soil Org.Mat. 0.220 0.061 0.559 0.001 0.302
Inv.Detr.Div. land use -1.169 0.283 -3.149 <0.001 0.566
plant Div.Mass. -0.208 0.086 -1.921 0.026
microbial Div. 0.0005 0.0001 0.598 0.016
Inv.Omni.Mass. land use -0.445 0.235 -0.511 <0.001 0.784
microclimatic Var. -0.155 0.066 -0.524 0.033
land use*Nut.Ret. 0.328 0.084 1.250 0.003
land use*soil
Org.Mat. 0.740 0.170 2.384 0.002
Inv.Omni.Div. land use -0.213 0.085 -0.601 0.073 0.722
Inv.Herb.Div. 0.293 0.082 0.827 0.002
land use*soil
Org.Mat. -0.125 0.064 -0.351 0.009
Inv.Pred.Mass. land use -0.706 0.167 -0.860 0.002 0.383
Inv.Pred.Div. Inv.Detr.Div. 0.757 0.180 0.572 <0.001 0.702
Inv.Omni.Div. 0.713 0.256 0.514 0.012
bird Pred.Mass.  microclimatic Var. -129.419 33.159 -0.755 <0.001 0.349
arboreal ant Mass. 538.736 190.126 0.709 0.010
Inv.Herb.Div. 334.541 160.412 0.386 0.049
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bird Pred. Div.

microclimatic Var. -0.075
Inv.Pred.Mass. 0.306
Inv.Pred.Div. -0.701
Inv.Herb.Div. 0.407

0.025
0.102
0.261
0.124

-0.484
0.507
-0.747
0.516

0.007
0.009
0.013
0.004

0.489
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Supplementary Figure 2.3 A) Series of principal component analysis (PCA) plots of each of the
composited variables (row 1: soil physical component, and combined soil physical and
biochemical component; row 2: microclimatic component, and plant diversity and biomass
component) used in the multilevel path model. The eight replicate plots of the four land-use types
are plotted along PCA axes 1 and 2 (proportion of explained variance in parentheses) with red
vectors (parameters included in PCA composite) illustrating factor loadings. Land-use systems are
forest (F), jungle rubber (J), rubber monoculture (R), and oil palm monoculture (O). B)
Relationships among the PCA scores for each composited variable and the parameters
incorporated within the composited variables, which have PCA loadings of >0.400. Data points
represent the eight replicate plots of the four land-use types.
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Supplementary Figure 2.4 Box plots of all biotic variables across the four land-use systems that
responded significantly to land-use change within the multilevel path model. Land-use systems
are forest (F), jungle rubber (J), rubber monoculture (R), and oil palm monoculture (O).
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Supplementary Figure 2.5 Pairwise relationships among all response and predictor variables
where significant direct effects were detected within the multilevel path model. Points are
coloured according to land-use system, with their respective coloured model fits plotted where
land-use change was found to have a significant effect in the multilevel path model. Model fits for
the overall pairwise relationships (tested in isolation, excluding all conditioning variables that
were included in the complete path model) are shown by a black line, with their respective p-
values indicated on each panel. ‘DIV’ and ‘MASS’ stand for diversity and biomass, respectively.
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SUPPLEMENTARY INFORMATION — CHAPTER 3

Supplementary Figure 3.1 Map of the study region with an overview of Sumatra (a) and Jambi
Province (b) with red and blue points denoting the 16 sites in Bukit Duabelas landscape and the
16 sites in Harapan landscape, respectively. Additionally, the spatial layout of the sampling sites
in Bukit Duabelas landscape (c) and Harapan landscape (d) is represented by coloured crosses for
forest (F), jungle rubber (J), rubber (R) and oil palm (O).
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Supplementary Figure 3.2 Mean (+ SE) observed species richness (a), 2nd order jacknife
extrapolated species richness (b) and rarefied species richness (c) for the four land-use
transformation systems: forest (F), jungle rubber (J), rubber (R) and oil palm (O). p-values denote
Pearson correlation coefficients between observed species richness and extrapolated (b) and
rarefied species richness (c) for the 32 sites (n = 32), respectively.
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Supplementary Figure 3.3 (a) Comparative mean percentage change in total energy flux for the
four transformation systems between our feeding link assumption null-model (Supplementary
Methods) and an alternative flux calculation with omnivores consuming only live plant material
and detritus (50% each). Error bars denote upper and lower limits of absolute deviation from the
mean. (b) Mean percentage loss in energy flux of the three agriculturally used transformation
systems compared to the forest system. Dark grey and light grey bars denote the null model and
alternative model calculations, respectively. Transformation system abbreviations are: forest (F),
jungle rubber (J), rubber (R) and oil palm (O).
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Supplementary Figure 3.4 Body mass distributions across the four transformation systems for
each of the four functional feeding guilds: omnivores (3209 individuals), detritivores (2242
individuals), predators (1766 individuals), and herbivores (255 individuals).
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Supplementary Table 3.1a Length-mass regression parameters for calculation of individual body masses from measured body lengths. For damaged
individuals where body length could not be measured (66 of 7472 individuals), body mass was substituted by species median body mass or order median
body mass (for species with single individuals). Taxon', 'Group' and 'Further grouping' specify which animals the presented regression has been used for in
this study. Regressions were available from the literature that estimate both dry and fresh mass ('Mass type") for different taxa. Supplementary table 4b
presents the dry mass-fresh mass conversions, used to convert all estimated body masses to fresh mass. The equations and regression parameters, a' and ',
are presented, as well as the size range the regressions were calculated from ('Min' and 'Max"). All regressions were taken from the literature ('Reference’),
with different specific definitions of how body length was measured ('Details of body length measurement’) and specificity of the given regression
(‘'Regression specificity").

Further . . . Regression
Taxon Group grouping Mass type Equation M[mg], L[mm] a b Min (mm) | Max (mm) | Reference Details of body length measurement specificity
Annelida Al ashfree dry |\ — 1900%exp(a+ b * log(L)) | -11.8423 | 2.3225 (Hale, Reich & Frelich, 2004) Total length General
mass Lumbricidae

Araneae Avraneae < 2.5 mm Freshmass | M =exp(a + b * log(L)) -1.958 | 2746 0.56 2.5 | (Hofer & Ott, 2009) edge of prosoma (without chelicerae) to edge of Group specific
opisthosoma (excl spinnerets)

Araneae hunting Fresh mass | M = exp(a + b * log(L)) 2108| 3017 0.67 36 | (Hofer & Ott, 2009) edge of prosoma (without chelicerae) to edge of | o specific
opisthosoma (excl spinnerets)

Araneae web-building Freshmass | M = exp(a + b * log(L)) 1784| 2.255 0.56 1067 | (Hofer & Oft, 2009) edge of prosoma (without chelicerae) to edge of | g5, specific
opisthosoma (excl spinnerets)

Araneae spiders random fresh mass M =exp(a + b * log(L)) -1.844 | 2711 1.8 21.5 | (Edwards, 1996) clypeus to tip of spinnerets Group specific

Araneae Anapidae Fresh mass | M =exp(a + b * log(L)) 1784 | 2.255 0.56 10.67 | (Hofer & Oft, 2009) edge of prosoma (without chelicerae) to edge of | inferred, web-
opisthosoma (excl spinnerets) building

Araneae Avraneidae Freshmass | M =exp(a + b * log(L)) -1.923 | 2923 2.10 21.20 | (Edwards, 1996) clypeus to tip of spinnerets Group specific

Araneae Barychelidae Freshmass | M =exp(a + b * log(L)) 2108 3.017 0.67 36 | (Hfer & Ott, 2009) edge of prosoma (without chelicerae) to edge of | inferred, hunting
opisthosoma (excl spinnerets) spiders

Araneae Clubionidae Freshmass | M =exp(a+ b * log(L)) -2.156 | 2.653 25 9 | (Edwards, 1996) clypeus to tip of spinnerets Group specific

Araneae Corinnidae Fresh mass | M = exp(a + b * log(L)) 2108 3.017 0.67 36 | (Hofer & Ott, 2009) edge of prosoma (without chelicerae) to edge of | inferred, hunting
opisthosoma (excl spinnerets) spiders

Araneae Ctenidae Freshmass | M =exp(a + b * log(L)) -1.758 | 2.894 13 36 | (Hofer & Ott, 2009) edge of prosoma (without chelicerae) to edge of Group specific
opisthosoma (excl spinnerets)

Araneae Deinopidae fresh mass | M = exp(a + b * log(L)) 1844 | 2711 18 215 | (Edwards, 1996) clypeus to tip of spinnerets inferred, spiders

random sample

Araneae Gnaphosidae Freshmass | M =exp(a + b * log(L)) -2.83 | 3.055 3 13.1 | (Edwards, 1996) clypeus to tip of spinnerets Group specific

Araneae Hexathelidae Freshmass | M = exp(a + b * log(L)) 2108| 3.017 0.67 36 | (Hofer & Oft, 2009) edge of prosoma (without chelicerae) to edge of | inferred, hunting
opisthosoma (excl spinnerets) spiders
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Araneae Lamponidae Freshmass | M =exp(a + b * log(L)) -2.83 | 3.055 3 13.1 | (Edwards, 1996) clypeus to tip of spinnerets igferrsd, ”
napnhosidae
Araneae Linyphiidae Freshmass | M =exp(a+ b * log(L)) -1.892 | 2.754 15 5.5 | (Edwards, 1996) clypeus to tip of spinnerets Group specific
Araneae Lycosidae Freshmass | M =exp(a+ b * log(L)) -2.043 | 2.842 2 23.5 | (Edwards, 1996) clypeus to tip of spinnerets Group specific
Araneae Micropholcommatidae Freshmass | M =exp(a + b * log(L)) -1.784 | 2255 0.56 10.67 | (Hofer & Ott, 2009) edge of prosoma (wit_hout chelicerae) to edge of inf_err_ed, web-
opisthosoma (excl spinnerets) building
Araneae Miturgidae Freshmass | M =exp(a+ b * log(L)) -2.83| 3.055 3 13.1 | (Edwards, 1996) clypeus to tip of spinnerets gferrgd, ”
napnhosidae
Araneae Mysmenidae Fresh mass | M = exp(a + b * log(L)) 1784 | 2.255 0.56 10,67 | (Hofer & Ott, 2009) edge of prosoma (without chelicerae) to edge of | inferred, web-
opisthosoma (excl spinnerets) building
Araneae Nemesiidae Freshmass | M =exp(a+b* log(L)) 2108 | 3017 0.67 36 | (Hofer & Oft, 2009) edge of prosoma (without chelicerae) to edge of | inferred, hunting
opisthosoma (excl spinnerets) spiders
Araneae Nephilidae Freshmass | M =exp(a+b* log(L)) 1784 | 2255 0.56 10.67 | (Hofer & Ott, 2009) edge of prosoma (without chelicerae) to edge of | inferred, web-
opisthosoma (excl spinnerets) building
Araneae Ochyroceratidae Freshmass | M = exp(a + b * log(L) 1784| 2.255 0.56 1067 | (Hofer & Ott, 2009) edge of prosoma (without chelicerae) to edge of | inferred, web-
opisthosoma (excl spinnerets) building
Araneae Oonopidae Freshmass | M =exp(a+b * log(L)) -2.039 | 2.666 0.67 2.5 | (Hofer & Ott, 2009) edge of prosoma (Wlthom chelicerae) to edge of Group specific
opisthosoma (excl spinnerets)
Araneae Oxyopidae Freshmass | M =exp(a+b * log(L)) -2.108 | 3.017 0.67 36 | (Hofer & Ott, 2009) e"‘%e of prosoma (W't,hOUt chelicerae) to edge of |nf_erred, hunting
opisthosoma (excl spinnerets) spiders
Araneae Palpimanidae Fresh mass | M = exp(a + b * log(L)) 2108 3017 0.67 36 | (Hofer & Ott, 2009) edge of prosoma (without chelicerae) to edge of | inferred, hunting
opisthosoma (excl spinnerets) spiders
Araneae Pararchaeidae Freshmass | M =exp(a + b * log(L)) -2.108 | 3.017 0.67 36 | (Hofer & Ott, 2009) edge of prosoma (wit!'\out chelicerae) to edge of inf_erred, hunting
opisthosoma (excl spinnerets) spiders
Araneae Philodromidae Freshmass | M =exp(a+b * log(L)) -1.985 | 2.940 2.50 8.60 | (Edwards, 1996) clypeus to tip of spinnerets Group specific
Araneae Pholcidae Freshmass | M =exp(a + b * log(L)) 1784 | 2.255 0.56 10.67 | (Hofer & Oft, 2009) edge of prosoma (without chelicerae) to edge of | inferred, web-
opisthosoma (excl spinnerets) building
Araneae Prodidomidae Freshmass | M =exp(a + b * log(L)) -2.83 | 3.055 3 13.1 | (Edwards, 1996) clypeus to tip of spinnerets igferr;d, i
naphosidae
Araneae Salticidae Freshmass | M =exp(a+b * log(L)) -2.184 | 2.901 4.00 13.00 | (Edwards, 1996) clypeus to tip of spinnerets Group specific
Araneae Scytodidae Freshmass | M =exp(a + b * log(L)) 2108 3.017 0.67 36 | (Hfer & Ott, 2009) edge of prosoma (without chelicerae) to edge of | inferred, hunting
opisthosoma (excl spinnerets) spiders
Araneae Segestriidae Freshmass | M = exp(a + b * log(L)) 2108| 3.017 0.67 36 | (Hofer & Oft, 2009) edge of prosoma (without chelicerae) to edge of | inferred, hunting
opisthosoma (excl spinnerets) spiders
Araneae Sparassidae Freshmass | M =exp(a + b * log(L)) -2.108 | 3.017 0.67 36 | (Hofer & Ott, 2009) Edge of prosoma (without chelicerae) to edge of inf_erred, hunting
opisthosoma (excl spinnerets) spiders
Araneae Stenochilidae Freshmass | M =exp(a+b * log(L)) -2.108 | 3.017 0.67 36 | (Hofer & Ott, 2009) Edge of prosoma (W'thOUt chelicerae) to edge of |nf_erred, hunting
opisthosoma (excl spinnerets) spiders
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Araneae Symphytognathidae Freshmass | M =exp(a + b * log(L)) 1.784| 2255 056 10.67 | (Hofer & Oft, 2009) edge of prosoma (without chelicerac) to edge of | inferred, web-
opisthosoma (excl spinnerets) building

Araneae Telemidae Fresh mass | M = exp(a + b * log(L)) 1784 | 2.255 0.56 10,67 | (Hofer & Ott, 2009) edge of prosoma (without chelicerae) to edge of | inferred, web-
opisthosoma (excl spinnerets) building

Araneae Tetrablemmidae Freshmass | M =exp(a+b * log(L)) -2.039 | 2.666 0.67 2.5 | (Hofer & Ott, 2009) 9“99 of prosoma (wnhout chelicerae) to edge of inferred, Oonopidae
opisthosoma (excl spinnerets)

Araneae Tetragnathidae Freshmass | M =exp(a + b * log(L)) -2.615| 2574 3.50 9.00 | (Edwards, 1996) clypeus to tip of spinnerets Group specific

Araneae Theridiidae Freshmass | M =exp(a+ b * log(L)) -1.577 | 2.907 1.50 7.50 | (Edwards, 1996) clypeus to tip of spinnerets Group specific

Araneae Theridiosomatidae Freshmass | M =exp(a+b * log(L)) -1.784 | 2.255 0.56 10.67 | (Hofer & Ott, 2009) 9“99 of prosoma (wnhout chelicerae) to edge of |nferr_ed, web-
opisthosoma (excl spinnerets) building

Araneae Thomisidae Freshmass | M =exp(a+b * log(L)) -1.644 | 2973 1.80 8.00 | (Edwards, 1996) clypeus to tip of spinnerets Group specific

Araneae Uloboridae Freshmass | M =exp(a+b* log(L)) 1784 | 2255 0.56 10.67 | (Hofer & Ott, 2009) edge of prosoma (without chelicerae) to edge of | inferred, web-
opisthosoma (excl spinnerets) building

Araneae Unidentifiable < 1.8 Freshmass | M = exp(a + b * log(L) 1958 | 2746 0.56 2.5 | (Hofer & Ott, 2009) edge of prosoma (without chelicerae) to edge of | inferred, Araneae <
opisthosoma (excl spinnerets) 2.5mm

Araneae Unidentifiable > 1.8 fresh mass M =exp(a + b * log(L)) -1.844 | 2711 1.8 21.5 | (Edwards, 1996) clypeus to tip of spinnerets inferred, spiders

random sample

Araneae Zodariidae Freshmass | M =exp(a+b* log(L)) 2108 | 3017 0.67 36 | (Hofer & Oft, 2009) edge of prosoma (without chelicerae) to edge of | inferred, hunting
opisthosoma (excl spinnerets) spiders

Archacognatha | All Drymass | M=exp(a+b* log(L)) 2628 | 2.494 213 54.51 | (Sample, Cooper, Greer, & Whitmore, 1993) | From frons to tip of abdomen excluding inferred, all insect
appendages taxa

Blattodea Blaberidae Drymass | M =exp(a+b* log(L)) 3.980| 2760 2.20 14.00 | (Wardhaugh, 2013) front of labrum to tip of abdomen (excl. cercior | ;e Blattodea
ovipositors) or tip of elytra (longest)

Blattodea Blattellidae Drymass | M=exp(a+b* log(L)) 3.980| 2760 2.20 14.00 | (Wardhaugh, 2013) front of labrum to tip of abdomen (excl. cercior | i ooy Blattodea
ovipositors) or tip of elytra (longest)

Blattodea Blattidae Drymass | M=exp(a+b* log(L)) 3.980| 2760 2.20 14.00 | (Wardhaugh, 2013) front of labrum to tip of abdomen (excl. cercior | i ooy Blattodea
ovipositors) or tip of elytra (longest)

Blattodea Unidentifiable Drymass | M =exp(a+b* log(L)) 3.980| 2760 2.20 14.00 | (Wardhaugh, 2013) front of labrum to tip of abdomen (excl. cercior | ;e Blattodea
ovipositors) or tip of elytra (longest)

Chilopoda Ballophilidae Dry mass M = exp(a + b * log(L)) -4.049 2.18 4 47 | (Gowing & Recher, 1984) not mentioned inferred, Chilopoda

Chilopoda Cryptopidae Dry mass M =exp(a + b * log(L)) -4.049 2.18 4 47 | (Gowing & Recher, 1984) not mentioned inferred, Chilopoda

Chilopoda Henicopidae Dry mass M =exp(a + b * log(L)) -4.049 2.18 4 47 | (Gowing & Recher, 1984) not mentioned inferred, Chilopoda

Chilopoda Lithobiomorpha Dry mass M =exp(a + b * log(L)) -4.049 2.18 4 47 | (Gowing & Recher, 1984) not mentioned inferred, Chilopoda

Chilopoda Mecistocephalidae Dry mass M = exp(a + b * log(L)) -4.049 2.18 4 47 | (Gowing & Recher, 1984) not mentioned inferred, Chilopoda
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Chilopoda Scolopendridae Dry mass M =exp(a + b * log(L)) -4.049 2.18 4 47 | (Gowing & Recher, 1984) not mentioned inferred, Chilopoda
Chilopoda Unidentifiable Dry mass M =exp(a + b * log(L)) -4.049 2.18 4 47 | (Gowing & Recher, 1984) not mentioned inferred, Chilopoda
Coleoptera Anobiidae Dry mass M =exp(a + b * log(L)) -3.247 | 2492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) :;Zg;r:qr:m tip of abdomen excluding inferred, Coleoptera
Coleoptera Anthicidae Dry mass M =exp(a + b * log(L)) -3.247 | 2.492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) :;Z;::glssm tip of abdomen excluding inferred, Coleoptera
Coleoptera Bostrichidae Dry mass M =exp(a + b * log(L)) -3.247 | 2492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) :;;f)::ufjr:gnessm tip of abdomen excluding inferred, Coleoptera
Coleoptera Byrrhidae Dry mass M =exp(a + b * log(L)) -3.247 | 2492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) :;zg;r:qnessm tip of abdomen excluding inferred, Coleoptera
Coleoptera Carabidae Dry mass M=a*L"b 0.0237 | 2.7054 2.88 24 | (Lang, Krooss & Stumpf, 1997) xzzsnl:;def;gmdﬁ:;e:s\r/ :Ep‘;;zzz:o posterior of Group specific
Coleoptera Cerylonidae Dry mass M =exp(a + b * log(L)) -3.247 | 2492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) g;z’;:]g:q’ito tip of abdomen excluding inferred, Coleoptera
Coleoptera Chelonariidae Dry mass M =exp(a + b * log(L)) -3.247 | 2492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) ;;zg;r:qn:‘sm tip of abdomen excluding inferred, Coleoptera
Coleoptera Chrysomelidae Dry mass M =exp(a + b * log(L)) -2427| 2171 3.34 7.84 | (Sample, Cooper, Greer, & Whitmore, 1993) ;;zg;r:qn:‘sm tip of abdomen excluding Group specific
Coleoptera Ciidae Dry mass M =exp(a + b * log(L)) -3.247 | 2492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) g;z’;:]g:q’ito tip of abdomen excluding inferred, Coleoptera
Coleoptera Cleridae Dry mass M =exp(a + b * log(L)) -3.247 | 2492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) ;;z;::qzw tip of abdomen excluding inferred, Coleoptera
Coleoptera Coccinellidae Dry mass M =exp(a + b * log(L)) -3.247 | 2492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) :;E’;g:gzm tip of abdomen excluding inferred, Coleoptera
Coleoptera Colydiidae Dry mass M =exp(a + b * log(L)) -3.247 | 2492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) g;gz:]g:q’ito tip of abdomen excluding inferred, Coleoptera
Coleoptera Curculionidae Dry mass M =exp(a + b * log(L)) -3.247 | 2492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) g;gz:]g:q’ito tip of abdomen excluding inferred, Coleoptera
Coleoptera Dermestidae Dry mass M =exp(a + b * log(L)) -3.247 | 2492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) :;E’;g:gzm tip of abdomen excluding inferred, Coleoptera
Coleoptera Discolomidae Dry mass M =exp(a+ b * log(L)) -3.247 | 2492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) :;E’;g:gzm tip of abdomen excluding inferred, Coleoptera
Coleoptera Elateridae Drymass |M=a*LAb 00138 | 2.595 1.65 10.3 | (Gruner, 2003) :r’]’y";pa;:%?;;m end of head or carapace, excl. 'b"ef:trl'ezd slender
Coleoptera Endomychidae Dry mass M =exp(a + b * log(L)) -3.247 | 2492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) :;z;g:gzto tip of abdomen excluding inferred, Coleoptera
Coleoptera Histeridae Dry mass M =exp(a + b * log(L)) -3.247 | 2492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) :;Zg:;gzm tip of abdomen excluding inferred, Coleoptera
Coleoptera Hydrophilidae Dry mass M =exp(a+b* log(L)) -3.247 | 2492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) From frons to tip of abdomen excluding inferred, Coleoptera

appendages
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Coleoptera Languriidae Dry mass M =exp(a + b * log(L)) -3.247 | 2.492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) From (fjrons to tip of abdomen excluding inferred, Coleoptera
appendages

Coleoptera Larvae Dry mass M=a*L"b 0.0035 | 2.4033 15 25.27 | (Lang, Krooss, & Stumpf, 1997) Measured from a}ntenor tip of head to posterior of inferred, Coleoptera
abdomen excluding any appendages

Coleoptera Leiodidae Dry mass M =exp(a + b * log(L)) -3.247 | 2492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) From ;rons to tip of abdomen excluding inferred, Coleoptera
appendages

Coleoptera Lucanidae Dry mass M =exp(a + b * log(L)) -3.247 | 2.492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) From (fjrons to tip of abdomen excluding inferred, Coleoptera
appendages

Coleoptera Melyridae Dry mass M =exp(a + b * log(L)) -3.247 | 2492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) From ;rons to tip of abdomen excluding inferred, Coleoptera
appendages

Coleoptera Mordellidae Dry mass M =exp(a + b * log(L)) -3.247 | 2492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) From ;rons to tip of abdomen excluding inferred, Coleoptera
appendages

Coleoptera Mycetophagidae Dry mass M =exp(a + b * log(L)) -3.247 | 2492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) From :;rons to tip of abdomen excluding inferred, Coleoptera
appendages

Coleoptera Pselaphidae Dry mass M =exp(a + b * log(L)) -3.247 | 2492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) From :;rons to tip of abdomen excluding inferred, Coleoptera
appendages

Coleoptera Ptiliidae Drymass | M =exp(a+b* log(L)) 3247| 2492 334 34.82 | (Sample, Cooper, Greer, & Whitmore, 1093) | 7o ;r°”5 totip of abdomen excluding inferred, Coleoptera
appendages

Coleoptera Scarabaeidae Dry mass M =exp(a + b * log(L)) -2.448 | 2494 4.24 24.79 | (Sample, Cooper, Greer, & Whitmore, 1993) ;;zg;r:qn:‘sm tip of abdomen excluding Group specific

Coleoptera Scydmaenidae Dry mass M =exp(a + b * log(L)) -3.247 | 2492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) From :;rons to tip of abdomen excluding inferred, Coleoptera
appendages

Coleoptera Silvanidae Drymass |M=a*L%b 00138 | 2.595 165 10.3 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. | inferred, slender
any appendages beetles

Coleoptera Staphylinidae Dry mass M=a*L"b 0.0134 2.26 2.2 13.6 | (Lang, Krooss, & Stumpf, 1997) Measured from gnterior tip of head to posterior of Group specific
abdomen excluding any appendages

Coleoptera Tenebrionidae Dry mass M =exp(a + b * log(L)) -0.043 1.2 5.65 13.39 | (Sample, Cooper, Greer, & Whitmore, 1993) From [fjrons to tip of abdomen excluding Group specific
appendages

Coleoptera Throscidae Dry mass M =exp(a + b * log(L)) -3.247 | 2492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) From [fjrons to tip of abdomen excluding inferred, Coleoptera
appendages

Coleoptera Trogossitidae Dry mass M =exp(a + b * log(L)) -3.247 | 2492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) From ;rons totip of abdomen excluding inferred, Coleoptera
appendages

Coleoptera Unidentifiable Dry mass M =exp(a + b * log(L)) -3.247 | 2492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) :;;Ez;::;;m tip of abdomen excluding inferred, Coleoptera

Coleoptera Zopheridae Dry mass M =exp(a + b * log(L)) -3.247 | 2492 3.34 34.82 | (Sample, Cooper, Greer, & Whitmore, 1993) From [fjrons to tip of abdomen excluding inferred, Coleoptera
appendages

Dermaptera Anisolabididae Dry mass M =exp(a + b * log(L)) -3.628 | 2.494 213 54.51 | (Sample, Cooper, Greer, & Whitmore, 1993) From frons to tip of abdomen excluding inferred, all insect
appendages taxa

Dermaptera Forficulidae Dry mass M =exp(a + b * log(L)) -3.628 | 2.494 213 54.51 | (Sample, Cooper, Greer, & Whitmore, 1993) From frons to tip of abdomen excluding inferred, all insect
appendages taxa

Diplopoda Chordeumatida Dry mass M = exp(a + b * log(L)) -4.591 | 2543 11.0 47.0 | (Gowing & Recher, 1984) not mentioned inferred, Diplopoda
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Diplopoda Glomerida Dry mass M =exp(a + b * log(L)) -4.591 | 2543 11.0 47.0 | (Gowing & Recher, 1984) not mentioned inferred, Diplopoda
Diplopoda Polidesmatidae Dry mass M =exp(a + b * log(L)) -4591 | 2543 11.0 47.0 | (Gowing & Recher, 1984) not mentioned inferred, Diplopoda
Diplopoda Polydesmatida Dry mass M =exp(a + b * log(L)) -4591 | 2543 11.0 47.0 | (Gowing & Recher, 1984) not mentioned inferred, Diplopoda
Diplopoda Polydesmida Dry mass M =exp(a + b * log(L)) -4.591 | 2543 11.0 47.0 | (Gowing & Recher, 1984) not mentioned inferred, Diplopoda
Diplopoda Polydesmidae Dry mass M =exp(a + b * log(L)) -4591 | 2543 11.0 47.0 | (Gowing & Recher, 1984) not mentioned inferred, Diplopoda
Diplopoda Polyxenida Dry mass M =exp(a + b * log(L)) -4591 | 2543 11.0 47.0 | (Gowing & Recher, 1984) not mentioned inferred, Diplopoda
Diplopoda Siphonophorida Dry mass M =exp(a + b * log(L)) -4.591| 2543 11.0 47.0 | (Gowing & Recher, 1984) not mentioned inferred, Diplopoda
Diplopoda Spirobolida Dry mass M =exp(a + b * log(L)) -4591 | 2543 11.0 47.0 | (Gowing & Recher, 1984) not mentioned inferred, Diplopoda
Diplura Heterojapygidae Drymass | M=a* (L)% 0.034| 2101 0.9 17.6 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. | inferred, general
any appendages arthropod
Diptera Larvae Dry mass M=a* (L) 0.029 173 17 16.65 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. inferred, holomet.
any appendages Larvae
Diptera Adults Drymass | M=a* (L) 00153 | 2573 175 8.6 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. | Group specific,
any appendages Diptera adult
Diptera Agromyzidae Larvae | Drymass |M=a* (L) 0020 173 17 16.65 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. | inferred, holomet.
any appendages Larvae
Diptera Cecidomyiidae AlL Drymass | M=a* (L)% 0.035| 2173 0.9 17.6 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. | inferred, all insect
any appendages taxa
Diptera Ceratopogonidae Larvae Dry mass M=a*(L)"b 0.029 1.73 1.7 16.65 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. inferred, holomet.
any appendages Larvae
Diptera Chironomidae Larvae Dry mass M=a*(L)"b 0.029 1.73 17 16.65 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. inferred, holomet.
any appendages Larvae
Diptera Drosophilidae Larvae Dry mass M=a* (L)"b 0.029 1.73 1.7 16.65 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. inferred, holomet.
any appendages Larvae
Diptera Muscidae Adult | Drymass | M=a*(L)b 00153 | 2573 175 8.6 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. | Group specific,
any appendages Diptera adult
Diptera Mycetophilidae Larvae Dry mass M=a*(L)"b 0.029 1.73 1.7 16.65 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. inferred, holomet.
any appendages Larvae
Diptera Phoridae Adult Drymass | M=a* (L)% 00153 | 2573 175 8.6 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. | Group specific,
any appendages Diptera adult
Diptera Pipunculidae Larvae Dry mass M=a* (L)"b 0.029 1.73 1.7 16.65 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl inferred, holomet.
any appendages Larvae
Diptera Sciaridae Adult | Drymass | M=a*(L)b 00153 | 2573 175 8.6 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. | Group specific,

any appendages

Diptera adult
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Diptera Simuliidae Adult Drymass | M=a*(L)"b 0.0153 | 2573 1.75 8.6 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. Group specific,
any appendages Diptera adult

Diptera Syrphidae Larvae Dry mass M=a* (L) 0.029 173 17 16.65 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. inferred, holomet.
any appendages Larvae

Diptera Tachinidae Adult | Drymass | M=a* (L) 00153 | 2573 175 8.6 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. | Group specific,
any appendages Diptera adult

Diptera Tephritidae Larvae Dry mass M=a* (L)"b 0.029 1.73 1.7 16.65 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. inferred, holomet.
any appendages Larvae

Diptera Thaumaleidae A/L Drymass | M=a* (L) 0035 | 2173 0.9 17.6 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. | inferred, all insect
any appendages taxa

Gastropoda All Dry mass M =exp(a + b * log(L*W)) -2.75 1.59 2.1 18 | (Wardhaugh, 2013) fro_nt O_f labrum t_o tip of abdomen (excl. cerci or inferred,
ovipositors) or tip of elytra (longest) Gastropoda

Hemiptera Acanthosomatidae Drymass | M=exp(a+b* log(L)) 4784 | 3075 32 40.23 | (Sample, Cooper, Greer, & Whitmore, 1093) | F7om frons to tip of abdomen excluding Group specific,
appendages Hemiptera

Hemiptera Anthocoridae Drymass | M=exp(a+b* log(L)) 4784 | 3075 32 40.23 | (Sample, Cooper, Greer, & Whitmore, 1093) | F7om frons to tip of abdomen excluding Group specific,
appendages Hemiptera

Hemiptera Aradidae Drymass | M =exp(a+b* log(L)) 4.784| 3.075 32 40.23 | (Sample, Cooper, Greer, & Whitmore, 1993) | 7o frons to tip of abdomen excluding Group specific,
appendages Hemiptera

Hemiptera Ceratocombidae Drymass | M=exp(a+b* log(L)) 4784 | 3075 32 40.23 | (Sample, Cooper, Greer, & Whitmore, 1093) | F7om frons to tip of abdomen excluding Group specific,
appendages Hemiptera

Hemiptera Cicadellidae Dry mass M =exp(a + b * log(L)) -3.735| 2561 213 13.25 | (Sample, Cooper, Greer, & Whitmore, 1993) From :;rons to tip of abdomen excluding Group specific
appendages

Hemiptera Cimicidae Dry mass M =exp(a + b * log(L)) -4.784 | 3.075 3.2 40.23 | (Sample, Cooper, Greer, & Whitmore, 1993) From [fjrons to tip of abdomen excluding inferred, Hemiptera
appendages

Hemiptera Cydnidae Dry mass M =exp(a + b * log(L)) -4.784 | 3.075 3.2 40.23 | (Sample, Cooper, Greer, & Whitmore, 1993) From ;rons totip of abdomen excluding inferred, Hemiptera
appendages

Hemiptera Delphacidae Drymass | M=exp(a+b* log(L)) 2823| 2.225 213 13.25 | (Sample, Cooper, Greer, & Whitmore, 1093) | F7om frons to tip of abdomen excluding Inferred,
appendages Homoptera

Hemiptera Dipsocoridae Dry mass M = exp(a + b * log(L)) -4.784 | 3.075 32 40.23 | (Sample, Cooper, Greer, & Whitmore, 1993) From [fjrons to tip of abdomen excluding inferred, Hemiptera
appendages

Hemiptera Enicocephalidae Dry mass M =exp(a + b * log(L)) -4.784 | 3.075 3.2 40.23 | (Sample, Cooper, Greer, & Whitmore, 1993) From ;rons totip of abdomen excluding inferred, Hemiptera
appendages

Hemiptera Eurybrachyidae Drymass | M=exp(a+b* log(L)) 2823| 2.225 213 13.25 | (Sample, Cooper, Greer, & Whitmore, 1993) | 70 frons to tip of abdomen excluding Inferred,
appendages Homoptera

Hemiptera Hebridae Dry mass M = exp(a + b * log(L)) -4.784 | 3.075 32 40.23 | (Sample, Cooper, Greer, & Whitmore, 1993) From [fjrons to tip of abdomen excluding inferred, Hemiptera
appendages

Hemiptera Hydrometridae Dry mass M =exp(a + b * log(L)) -4.784 | 3.075 3.2 40.23 | (Sample, Cooper, Greer, & Whitmore, 1993) From ;rons totip of abdomen excluding inferred, Hemiptera
appendages

Hemiptera Lophopidae Dry mass M =exp(a + b * log(L)) -2.823| 2225 213 13.25 | (Sample, Cooper, Greer, & Whitmore, 1993) From frons to tip of abdomen excluding Inferred,
appendages Homoptera

Hemiptera Lygaeidae Dry mass M = exp(a + b * log(L)) -4.784 | 3.075 32 40.23 | (Sample, Cooper, Greer, & Whitmore, 1993) From [fjrons to tip of abdomen excluding inferred, Hemiptera
appendages
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Hemiptera Meenoplidae Dry mass M =exp(a + b * log(L)) -2.823| 2225 213 13.25 | (Sample, Cooper, Greer, & Whitmore, 1993) From frons to tip of ahdomen excluding Inferred,
appendages Homoptera
Hemiptera Membracidae Dry mass M =exp(a + b * log(L)) -2.823| 2225 2.13 13.25 | (Sample, Cooper, Greer, & Whitmore, 1993) From frons to tip of abdomen excluding Inferred,
appendages Homoptera
Hemiptera Mesoveliidae Dry mass M =exp(a + b * log(L)) -4.784 | 3.075 3.2 40.23 | (Sample, Cooper, Greer, & Whitmore, 1993) From ;rons to tip of abdomen excluding inferred, Hemiptera
appendages
Hemiptera Miridae Dry mass M =exp(a + b * log(L)) -4.784 | 3.075 3.2 40.23 | (Sample, Cooper, Greer, & Whitmore, 1993) From (fjrons to tip of abdomen excluding inferred, Hemiptera
appendages
Hemiptera Nabidae Dry mass M =exp(a + b * log(L)) -4.784 | 3.075 3.2 40.23 | (Sample, Cooper, Greer, & Whitmore, 1993) From ;rons to tip of abdomen excluding inferred, Hemiptera
appendages
Hemiptera Pentatomidae Dry mass M =exp(a + b * log(L)) -4.197 | 3.053 6.35 16.73 | (Sample, Cooper, Greer, & Whitmore, 1993) From ;rons to tip of abdomen excluding Group specific
appendages
Hemiptera Reduviidae Drymass | M=exp(a+b* log(L)) 4784 | 3075 32 40.23 | (Sample, Cooper, Greer, & Whitmore, 1993) | O™ ;’0”5 to tip of abdomen excluding inferred, Hemiptera
appendages
Hemiptera Schizopteridae Drymass | M=exp(a+b* log(L)) 4784| 3.075 3.2 40.23 | (Sample, Cooper, Greer, & Whitmore, 1993) | 7O™ ;’0”5 to tip of abdomen excluding inferred, Hemiptera
appendages
Hemiptera Triozidea Drymass | M =exp(a+b* log(L)) 2.823| 2225 213 13.25 | (Sample, Cooper, Greer, & Whitmore, 1993) | 770 frons to tip of abdomen excluding Inferred,
appendages Homoptera
Hymenoptera Bethylidae Dry mass M =exp(a + b * log(L)) -3.336 | 2.104 1 12 | (Gowing & Recher, 1984) not mentioned ::noffr:;fi‘a;ym' excl
Hymenoptera Diapriidae Dry mass M =exp(a + b * log(L)) -3.336 | 2.104 1 12 | (Gowing & Recher, 1984) not mentioned ::nferr_eanymA excl
ormicidae
Hymenoptera Eucoilidae Dry mass M =exp(a + b * log(L)) -3.336 | 2.104 1 12 | (Gowing & Recher, 1984) not mentioned ::nferr_eanym excl
ormicidae
Hymenoptera Eupelmidae Dry mass M =exp(a + b * log(L)) -3.336 | 2.104 1 12 | (Gowing & Recher, 1984) not mentioned ::nferr_eq,dHym. excl
ormicidae
Hymenoptera Figitidae Drymass | M=exp(a+b* log(L)) 3336 | 2.104 1 12 | (Gowing & Recher, 1984) not mentioned iF”fe"_e%Hym' excl
ormicidae
Hymenoptera Formicidae Dry mass M = exp(a + b * log(L)) -3.996 | 2.489 2 18 | (Gowing & Recher, 1984) not mentioned Group specific
Hymenoptera Mymariidae Dry mass M =exp(a + b * log(L)) -3.336 | 2.104 1 12 | (Gowing & Recher, 1984) not mentioned ::nferr_eq,dHym. excl
ormicidae
Hymenoptera Scelionidae Dry mass M =exp(a+ b * log(L)) -3.336 | 2.104 1 12 | (Gowing & Recher, 1984) not mentioned ::(I?rrnr?cq'daHeym' excl
ICI
Hymenoptera Specidae Dry mass M =exp(a + b * log(L)) -3.336 | 2.104 1 12 | (Gowing & Recher, 1984) not mentioned ::nferr_eanym. excl
ormicidae
Hymenoptera Trichogrammatidae Dry mass M =exp(a + b * log(L)) -3.336 | 2.104 1 12 | (Gowing & Recher, 1984) not mentioned ::nferr_eq,dHym. excl
ormicidae
Hymenoptera Unidentifiable Dry mass M =exp(a + b * log(L)) -3.336 | 2.104 1 12 | (Gowing & Recher, 1984) not mentioned ::nferr_eq,dHym. excl
ormicidae
Isopoda All Dry mass M =exp(a + b * log(L)) -4.81 3.44 2.7 8 | (Wardhaugh, 2013) fro_nt O_f labrum t_o tip of abdomen (excl. cerci or Group specific,
ovipositors) or tip of elytra (longest) Isopoda
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Isoptera Rhinotermitidae Dry mass M =eMa* L b -5.802 | 3.177 3.30 5.60 | (Johnson & Strong, 2000) head to end of abdomen inferred, Isoptera
Isoptera Termitidae Dry mass M=eMa* L b -5.802 | 3.177 3.30 5.60 | (Johnson & Strong, 2000) head to end of abdomen inferred, Isoptera
Isoptera Unidentifiable Dry mass M=eMa* L b -5.802 | 3.177 3.30 5.60 | (Johnson & Strong, 2000) head to end of abdomen inferred, Isoptera
Lepidoptera Alucitidae Dry mass M =exp(a + b * log(L)) -5.909 | 2.959 6.26 44.62 | (Sample, Cooper, Greer, & Whitmore, 1993) fro_ns t(_) tip of fibdomen (excl. antennae, infe_rred,
ovipositors, wings etc.) Lepidoptera Larvae
Lepidoptera Arctiidae Dry mass M =exp(a + b * log(L)) -5.909 | 2.959 6.26 44.62 | (Sample, Cooper, Greer, & Whitmore, 1993) fro_ns t(_) tip of tabdomen (excl. antennae, |nfe_rred,
ovipositors, wings etc.) Lepidoptera Larvae
Lepidoptera Arctiidae Dry mass M =exp(a + b * log(L)) -3.755 | 2.658 5.05 20.06 | (Sample, Cooper, Greer, & Whitmore, 1993) fro_ns t‘_’ tip of fabdomen (excl. antennae, |nfe1;red,
ovipositors, wings etc.) Lepidoptera
Lepidoptera Gelechiidae Dry mass M =exp(a + b * log(L)) -5.909 | 2.959 6.26 44.62 | (Sample, Cooper, Greer, & Whitmore, 1993) fro_ns t(_) tip of gbdomen (excl. antennae, |nfe_rred,
ovipositors, wings etc.) Lepldoptera Larvae
Lepidoptera Geometridae Dry mass M =exp(a + b * log(L)) -5.493 | 2625 7.66 29.50 | (Sample, Cooper, Greer, & Whitmore, 1993) fro_ns t(_) tip of gbdomen (excl. antennae, Group specific
ovipositors, wings etc.)
Lepidoptera Hesperiidae Drymass | M =exp(a+b* log(L)) 5909 | 2.959 6.26 44.62 | (Sample, Cooper, Greer, & Whitmore, 1993) | T0Ns to tip of abdomen (excl. antennae, inferred,
ovipositors, wings etc.) Lepidoptera Larvae
Lepidoptera Lasiocampidae Dry mass M =exp(a + b * log(L)) -5.909 | 2.959 6.26 44.62 | (Sample, Cooper, Greer, & Whitmore, 1993) fro_ns t(_’ tip of fabdomen (excl. antennae, |nfe1;red,
ovipositors, wings etc.) Lepidoptera Larvae
Lepidoptera Lymantriidae Drymass | M=exp(a+b* log(L)) 5909 | 2959 6.26 44.62 | (Sample, Cooper, Greer, & Whitmore, 1093) | oS 10 tip of abdomen (excl. antennae, inferred,
ovipositors, wings etc.) Lepidoptera Larvae
Lepidoptera Noctuidae Dry mass M =exp(a + b * log(L)) -5.424 | 2845 7.96 42.80 | (Sample, Cooper, Greer, & Whitmore, 1993) fro_ns t(_) tip of falbdomen (excl. antennae, Group specific
ovipositors, wings etc.)
Lepidoptera Nolidae Dry mass M =exp(a + b * log(L)) -5.909 | 2.959 6.26 44.62 | (Sample, Cooper, Greer, & Whitmore, 1993) fro_ns [(_’ tip of jabdomen (excl. antennae, inferred,
ovipositors, wings etc.) Lepidoptera Larvae
Lepidoptera Pterophoridae Dry mass M =exp(a + b * log(L)) -5.909 | 2.959 6.26 44.62 | (Sample, Cooper, Greer, & Whitmore, 1993) fro_ns tc_’ tip of gbdomen (excl. antennae, |nfe_rred,
ovipositors, wings etc.) Lepidoptera Larvae
Lepidoptera Pyralidae Dry mass M =exp(a + b * log(L)) -5.909 | 2.959 6.26 44.62 | (Sample, Cooper, Greer, & Whitmore, 1993) fro_ns tc_’ tip of gbdomen (excl. antennae, |nfe_rred,
ovipositors, wings etc.) Lepidoptera Larvae
Lepidoptera Pyralidae Dry mass M =exp(a + b * log(L)) -5.036 | 3.122 2.76 40.73 | (Sample, Cooper, Greer, & Whitmore, 1993) fro_ns [(_’ tip of jabdomen (excl. antennae, inferred,
ovipositors, wings etc.) Lepidoptera
Mantodea Mantidae Drymass | M=exp(a+b* log(L)) 6.340| 3.010 6.00 66.00 | (Wardhaugh, 2013) front of labrum to tip of abdomen (excl. cercior | o0 specific
ovipositors) or tip of elytra (longest)
Neuroptera Chrysopidae Dry mass M =exp(a + b * log(L)) -4.483 | 2570 3.45 54.51 | (Sample, Cooper, Greer, & Whitmore, 1993) fro_ns tc_’ tip of gbdomen (excl. antennae, inferred,
ovipositors, wings etc.) Neuroptera
Opiliones Al Freshmass | M = exp(a + b * log(L)) 0899 | 2.984 0.57 6.9 | (Hofer & Ott, 2009) edge of prosoma (without chelicerae) to edge of | jforreq Opiliones
opisthosoma (excl spinnerets)
Orthoptera Acrididae Dry mass M =exp(a + b * log(L)) -3.17 2.61 23 33 | (Wardhaugh, 2013) fro_nt of labrum t_o tip of abdomen (excl. cerci or inferred, Orthoptera
ovipositors) or tip of elytra (longest)
Orthoptera Eumastacidae Dry mass M =exp(a + b * log(L)) -3.17 2.61 2.3 33 | (Wardhaugh, 2013) fro_nt O_f labrum t_o tip of abdomen (excl. cerci or inferred, Orthoptera
ovipositors) or tip of elytra (longest)
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Orthoptera Gryllidae Dry mass M =exp(a + b * log(L)) -3.17 2.61 2.3 33 | (Wardhaugh, 2013) fro_nt O_f labrum t_O tip of abdomen (excl. cerci or inferred, Orthoptera
ovipositors) or tip of elytra (longest)

Orthoptera Tetrigidae Dry mass M =exp(a + b * log(L)) -3.17 2.61 2.3 33 | (Wardhaugh, 2013) fro‘nt O,f labrum t.o tip of abdomen (excl. cerci or inferred, Orthoptera
ovipositors) or tip of elytra (longest)

Plecoptera All Dry mass M=a*L"b 0.0094 | 2.754 1.95 3.232 | (Benke, Huryn, Smock, & Wallace, 1999) Total length Group specific

Plecoptera Austroperlidae Dry mass M=a*L" 0.0094 | 2.754 1.95 3.232 | (Benke, Huryn, Smock, & Wallace, 1999) Total length Group specific

Plecoptera Gripopterygidae Dry mass M=a*L"b 0.0094 | 2.754 1.95 3.232 | (Benke, Huryn, Smock, & Wallace, 1999) Total length Group specific

Plecoptera Notonemouridae Dry mass M=a*L"b 0.0094 | 2.754 1.95 3.232 | (Benke, Huryn, Smock, & Wallace, 1999) Total length Group specific

Pseudoscorpionida | All fresh mass M =exp(a + b * log(L)) -1.892| 2515 0.86 2.10 | (Hofer & Ott, 2009) e"‘%e of prosoma (W't,hOUt chelicerae) to edge of Group specific
opisthosoma (excl spinnerets)

Psocoptera Avrchipsocidae Dry mass M=a*(L)"b 0.014 | 3.115 1.50 3.15 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. inferred, Psocoptera
any appendages

Psocoptera Caeciliidae Dry mass M=a* (L)"b 0.014 | 3.115 1.50 3.15 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. inferred, Psocoptera
any appendages

Psocoptera Ectopsocidae Dry mass M=a*(L)"b 0.014 | 3.115 1.50 3.15 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. inferred, Psocoptera
any appendages

Psocoptera Elipsocidae Dry mass M=a*(L)"b 0.014 | 3.115 1.50 3.15 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. inferred, Psocoptera
any appendages

Psocoptera Epipsocidae Dry mass M=a* (L)"b 0.014 | 3.115 1.50 3.15 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. inferred, Psocoptera
any appendages

Psocoptera Hemipsocidae Dry mass M=a* (L)"b 0.014 | 3.115 1.50 3.15 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. inferred, Psocoptera
any appendages

Psocoptera Lepidopsocidae Dry mass M=a*(L)"b 0.014 | 3.115 1.50 3.15 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. inferred, Psocoptera
any appendages

Psocoptera Pachytroctidae Dry mass M=a*(L)"b 0.014 | 3.115 1.50 3.15 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. inferred, Psocoptera
any appendages

Psocoptera Psocidae Dry mass M=a* (L)"b 0.014 | 3.115 1.50 3.15 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. inferred, Psocoptera
any appendages

Psocoptera Psyllipsocidae Dry mass M=a*(L)"b 0.014 | 3.115 1.50 3.15 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. inferred, Psocoptera
any appendages

Psocoptera Unidentifiable Dry mass M=a*(L)"b 0.014 | 3.115 1.50 3.15 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. inferred, Psocoptera
any appendages

Schizomida Hubbardiidae Freshmass | M = exp(a + b * log(L)) 2108| 3.017 0.67 36 | (Hofer & Oft, 2009) edge of prosoma (without chelicerae) to edge of | inferred, hunting
opisthosoma (excl spinnerets) spiders

Symphyla Scutegerillidae Dry mass M=a* (L) 0035| 2173 09 17.6 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. inferred, all insect
any appendages taxa

Thysanoptera Aeolothripidae Dry mass M=a*(L)"b 0.035 | 2.173 0.9 17.6 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. inferred, all insect
any appendages taxa
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Thysanoptera Phlaeothripidae Dry mass M=a* (L)"b 0.035| 2173 0.9 17.6 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. inferred, all insect
any appendages taxa

Thysanoptera Thripidae Dry mass M=a* (L) 0035 | 2173 0.9 17.6 | (Gruner, 2003) tip of abdomen to end of head or carapace, excl. inferred, all insect
any appendages taxa

Thysanura Nicoletiidae Dry mass M =exp(a + b * log(L)) -3.628 | 2.494 2.13 54.51 | (Sample, Cooper, Greer, & Whitmore, 1993) From ;rons to tip of abdomen excluding ;nferred, all insect
appendages axa

Supplementary Table 3.1b Dry-to-fresh mass conversions from the literature®? for transformation of dry body masses (DM) (from length-dry mass
regression calculations) to fresh mass (FM).

Taxon Equation FM[mg], DM[mg] a b Reference Regression specificity

Annelida FM =exp(a + b * log(DM)) 0.9282 1.0899 (Mercer et al., 2001) Oligochaeta

All other groups with dry-mass length-mass regressions,

(see Supplementary Table S4a) FM =exp(a + b * log(DM)) 0.6111 1.0213 (Mercer etal., 2001) Insects
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Supplementary Table 3.2 Regression parameters for individual metabolic rate calculation from
the literature™ and unpublished data (Roswitha Ehnes). Phylogenetic model: In I = In igpg + @pg In
M — Epg (1/KT) ; Linear model: In 1 =1Ini, + aln M — E (1/KT). | is the metabolic rate, a is the
allometric exponent, E is the activation energy, k is the Boltzmann constant, T the temperature in
Kelvin (in our models taken as local mean soil temperature) and i, a normalisation factor.

Ini a E
Regression grou Applied to taxa e Model
g group PP I Inigpg apg Erc

Arachnida Araneae, Opiliones,

Pseudoscorpionida, 24.581 0.565 0.709 phylogenetlc

Schizomida
Chilopoda Chilopoda 28.253 0.558 0.803 phylogenetic
Clitellata Clitellata 12.442 0.801 0.443 phylogenetic
Coleoptera Coleoptera 21.418 0.738 0.639 phylogenetic
General invertebrates Gastropoda 23.055 0.695 0.686 linear
Hymenoptera Hymenoptera 22.013 0.742 0.668 phylogenetic
Insecta Arachaeognatha, Blattodea,

Dermaptera, Diplura, Diptera,

Hemiptera, Isoptera,

Lepidoptera, Mantodea, 21972 0759 0657  phylogenetic

Neuroptera, Orthoptera,

Plecoptera, Psocoptera,

Symphyla, Thysanoptera

Thysanura
Isopoda Isopoda 23.169 0.554 0.687 phylogenetic
Progoneata Diplopoda 22.347 0.571 0.670 phylogenetic
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Supplementary Table 3.3 Summary and ANOVA tables from the best-fit generalised linear
mixed effects models as selected by AIC: (a) negative binomial model testing the effects of
transformation system (TrSys) and functional feeding guild (FFG) on species richness
(SpRichness); (b) gaussian models testing the effects of transformation system (TrSys) and
functional feeding guild (FFG) on density, biomass, and community metabolism (CM). Asterisks
denote significance levels: * p < 0.05; ** p < 0.01; *** p < 0.001.

(@)
Model Fixed effects Estimate Std. Error zvalue Pr(>|z|)
SpRichness ~  Intercept 3.088 0.127 24290 0.000 ***
TrSys * FFG  Jungle rubber 0.054 0.179  0.299  0.766
Oil palm -0.556 0.190 -2.921  0.003 **
Rubber -0.275 0.184 -1491  0.135
Omnivores 0.168 0.101 1.668  0.096
Herbivores -1.759 0.194 -9.065 0.000 ***
Predators 0.606 0.092 6.553  0.000 ***
Jungle rubber : Omnivores -0.399 0.149 -2.685 0.007 **
Oil palm : Omnivores -0.087 0.168 -0.520 0.603
Rubber : Omnivores -0.099 0.154 -0.644  0.519
Jungle rubber : Herbivores 0.346 0.254 1.361 0.174
Oil palm : Herbivores 0.641 0.274 2.337 0.019 *
Rubber : Herbivores 0.953 0.246  3.876  0.000 ***
Jungle rubber : Predators -0.253 0.132 -1912  0.056
Oil palm : Predators -0.235 0.156 -1.510 0.131
Rubber : Predators -0.078 0.141  -0.556 0.578
(b)
Model Fixed effects numDF denDF F-value Pr(>z|)
Density ~ TrSys * FFG TrSys 3 27 0.363 0.780
FFG 3 84 77.611 0.000 ***
TrSys : FFG 9 84 3.432 0.001 **
Biomass ~ TrSys + FFG TrSys 3 27 3.570 0.027 *
FFG 3 93 38.759 0.000 ***
CM ~ TrSys + FFG TrSys 3 27 3.456 0.030 *
FFG 3 93 64.825 0.000 ***
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Supplementary Table 3.4 Energy flux and fresh biomass values for the four functional feeding
guilds (FFG) and four transformation systems. Energy flux is expressed as kg fresh mass [ha™ yr
1 using a conversion factor’: 1 kg wet mass = 7 *10° J.

. Energy flux Biomass
FFG Transformation system kg ha'l yr‘l] kg ha‘l]
Omnivore Forest 61.900 0.629
Omnivore Jungle rubber 52.313 0.494
Omnivore Rubber 55.880 0.751
Omnivore Oil palm 32.531 0.766
Detritivore Forest 200.187 1.039
Detritivore Jungle rubber 160.165 0.558
Detritivore Rubber 164.194 0.504
Detritivore Oil palm 94.440 0.352
Predator Forest 66.816 1.664
Predator Jungle rubber 53.248 0.976
Predator Rubber 55.454 0.954
Predator Oil palm 30.697 0.424
Herbivore Forest 87.537 0.093
Herbivore Jungle 75.389 0.139
Herbivore Rubber 83.288 0.319
Herbivore Oil palm 44.316 0.076
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Supplementary Table 3.5 ANOVA tables from the generalised linear mixed effects models
testing the effects of transformation system (TrSys), species richness (SpRichness), and their
interaction on energy flux (EF) for the total community data set and also separated into functional
feeding guilds (FFG). All models displayed are those that were selected as the best-fit model from
the stepwise AIC selection procedure. Asterisks denote significance levels: * p < 0.05; ** p <
0.01; *** p < 0.001.

Model Fixed effects numDF denDF F-value Pr(>|z|)
) TrSys 3 23 5226  0.007 **
Total Community ]
i SpRichness 1 23 4965 0.036 *
EF ~ TrSys * SpRichness )
TrSys : SpRichness 3 23 4.637 0.011 *
Omnivores )
) SpRichness 1 29 42842 0.000
EF ~ SpRichness
Detritivores
] TrSys 3 26 3.103 0.044 *
EF ~ TrSys + SpRichness ]
SpRichness 1 26 22.285 0.000 ***
TrSys 3 23 5507 0.005 **
Predators ]
] SpRichness 1 23 5.813 0.024 *
EF ~ TrSys * SpRichness .
TrSys : SpRichness 3 23 4,618 0.011 *
Herbivores TrSys 3 26 5.944 0.003 **
EF ~ TrSys + SpRichness SpRichness 1 26 9.436  0.005 **
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Supplementary Methods 3.1 Calculation of energy fluxes (F) from community metabolism (X),
assimilation efficiencies (e), and losses to predation (L). O, P, D, H, Pl and Dt denote omnivores,
predators, detritivores, herbivores, plants and detritus. We denote total flux to a node | as F,and
the flux from node J to | as Fy; . For example, Fo is the total flux to omnivores and Fop is the flux
from predators to omnivores. Assimilation efficiencies of animal food (0.60), plant food (0.45)
and detritus food (0.25)** are given as e,, ep, and ey, respectively.

Fo = Fop + Fou + Fop + Fopy + Fop:

We assume that predators, herbivores and detritivores each contribute to ¥ of the omnivore diet

and plants and detritus equally contribute to the remaining Y.

Fop = Fou = Fop = < Fp

Fopr = Fopr = §F0
The community metabolism X of a node is given as

X=(F e —L.
Thus, the energy entering the omnivore node is given as
Xo + L = eq - (Fop + Foy + Fop) + €, - Fopi +eq - Fope = (%ea +2ept+zeq) - Fo,
where equations 2 and 3 were used to replace single fluxes with the fraction of the overall flux.
The efficiency with which omnivores assimilate resources is

ep = Gea +%ep +%ed) .
Now, to express Fy, ey needs to be replaced by equation 6, which yields
- L.

Fo e (X0+F?P)'

o

The equation for predators is similar but with the e, assimilation efficiency, yielding

Fp =i- (XP+%O).

We then solve for Fp by inserting equation 7 into 8:
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Now we calculate Fyusing equation 7, and, with Fp and F, we can calculate F; and Fp using

equations

and

FP=

12-e5-ep—-1

1. Fp
ep (XH+3+
- L. Fp
eq (XD+3+
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SUPPLEMENTARY INFORMATION — CHAPTER 4

Supplementary Table 4.1 Functional response and effect groups from sampled macro-invertebrate communities. Traits and species richness within the
eleven functional response groups and the six functional effect groups. Dispersal capacity is used as a response trait only. LW: legs and wings, LN: legs but
no wings, NN: no legs, no wings.

Response group Feeding type Eusociality Dlsper_sal Bodly mass (mo) Species richness Abundance
capacity Mean Standard error
1 Detritivore no NN 21.079 +8.679 6 58
2 Predator no LN 2.816 +0.157 278 1245
3 Predator no LN 53.352 +7.695 12 90
4 Omnivore no LN 6.027 +1.379 28 157
5 Detritivore no LW 2.089 +0.147 78 581
6 Detritivore no LW 84.351 +22.702 6 17
7 Detritivore no LW 1.199 +0.173 85 803
8 Herbivore no LW 4.055 +0.457 86 251
9 Predator no LW 1.462 +0.306 139 430
10 Fungivore no LW 0.886 +0.112 24 73
11 Omnivore no LW 8.880 +5.238 21 60
12 Parasite no LN 1.630 +1.549 4 4
13 Parasite no LW 2.570 +2.046 2 2
14 Herbivore no LN 23.221 +23.171 2 2
15 Herbivore no LW 224.699 +75.026 2 2
16 Omnivore yes LW 0.983 +0.048 08 2963
17 Detritivore yes LW 0.342 +0.014 14 778
18 Omnivore no NN 26.186 +5.075 11 28
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Effect group
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1.242
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Supplementary Figure 4.1 Estimated species richness and sample coverage of sampled macro-
invertebrates. Sample-based species accumulation curves show the relative differences in sampled
species richness among the four different land-use types; forest, jungle rubber, rubber
monoculture, and oil palm. Sample coverage shows the mean proportion of observed species
richness out of the total (extrapolated) species richness, using the second order jacknife estimator.
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Supplementary Table 4.2 Total abundance and species richness (i.e., number of morphospecies,
in brackets) of taxonomic groups across the four land-use systems. Presented taxonomic groups
are mostly at the order level, but with some at the class level.

Land-use system

Taxonomic group Total
Forest Jungle rubber Rubber Oil palm

Hymenoptera 1044 (67) 1058 (58) 498 (50) 386 (45) 2986 (112)
Araneae 332 (102) 307 (82) 266 (78) 173 (86) 1078 (251)
Isoptera 301 (7) 107 (9) 29 (6) 341 (6) 778 (14)
Psocoptera 13 (5) 161 (11) 266 (12) 67 (12) 507 (17)
Coleoptera 196 (71) 153 (76) 103 (52) 28 (19) 480 (167)
Blattodea 78 (21) 106 (17) 109 (17) 33 (8) 326 (25)
Lepidoptera 20 (13) 49 (21) 74 (21) 20 (17) 163 (41)
Diplopoda 32 (16) 72 (16) 28 (5) 17 (5) 149 (26)
Hemiptera 37 (24) 47 (30) 46 (25) 19 (11) 149 (74)
Chilopoda 45 (8) 22 (8) 44 (7) 25 (9) 136 (15)
Diptera 17 (8) 21 (12) 93 (14) 3(3) 134 (26)
Isopoda 68 (22) 42 (16) 4 (3) 14 (8) 128 (36)
Orthoptera 37 (14) 36 (11) 39 (15) 12 (7) 124 (23)
Opiliones 36 (10) 22 (8) 1() 4(2) 63 (14)
Annelida 23 (5) 5(2) 12 (2) 18 (4) 58 (6)
Plecoptera 28 (6) 8 (2) 4(2) 6 (2) 46 (6)
Pseudoscorpionida 39 (5) 5(2) 1(1) 1(2) 46 (5)
Thysanoptera 1(1) 13 (5) 17 (4) 10 (5) 41 (9)
Symphyla 4 (2) 0 (0) 4 (1) 27 (1) 35(2)
Dermaptera 4 (3) 1(2) 12 (3) 17 (5) 34 (5)
Gastropoda 4 (4) 4(2) 15(2) 5(3) 28 (11)
Archaeognatha 12 (3) 8 (1) 0 (0) 0(0) 20 (3)
Mantodea 0 (0) 6 (3) 6 (3) 3(1) 15 (4)
Diplura 5(1) 2(1) 30 3(1) 13 (1)
Neuroptera 0 (0) 2 (1) 2 () 0 (0) 4(1)
Schizomida 0 (0) 1(1) 0 (0) 1(1) 2(1)
Thysanura 0 (0) 1(1) 0 (0) 0 (0) 1(1)
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Supplementary Figure 4.2 Density of the 18 functional response groups (FG) (see
Supplementary Table 4.1 for descriptions of functional response groups) in the four land-use
systems: forest (F), jungle rubber (J), rubber (R) and oil palm (O).
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SUPPLEMENTARY INFORMATION — CHAPTER 5

Supplementary Figure 5.1 Study regions in a) Indonesia and b) Germany. The left-hand panels
show the island of Sumatra within Indonesia and the country of Germany within Western Europe,
with a magnification of the study regions in the right-hand panels. Green and yellow circles in a)
denote the sampling plot locations for Bukit Duabelas and Harapan landscapes, respectively. Red,
blue and orange circles in b) denote the sampling plot locations in the Swabian Alb Biosphere
Reserve, Hainich National Park and the Schorfheide-Chorin Biosphere Reserve, respectively.
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Supplementary Table 5.1 Variables used to construct environmental dissimilarity matrices for
the ‘environmental distance’ variable in the path model. R and p values are from the
permutational vector fitting on NMDS ordinations of litter macroinvertebrate communities. Both
untransformed and logged variables are shown, giving a total of 30 variables. Variables that were
selected to be included in the environmental dissimilarity matrices are indicated by bold-face
parameter values for the Indonesian and German data sets.

Indonesia Germany
Factor
R? p-value R? p-value

litter depth 0.540 0.000 0.017 0.673
soil pH 0.307 0.005 0.456 0.000
C (mg) 0.179 0.055 0.032 0.481
N (mg) 0.064 0.379 0.243 0.002
P (mQ) 0.201 0.036 0.098 0.102
Al (mg) 0.151 0.093 0.424 0.000
Ca (mg) 0.161 0.077 0.517 0.000
Fe (mQ) 0.135 0.115 0.270 0.001
K (mg) 0.245 0.016 0.286 0.001
Mg (mg) 0.001 0.992 0.158 0.020
Mn (mg) 0.169 0.065 0.465 0.000
Na (mg) 0.011 0.843 0.190 0.010
S (mg) 0.169 0.068 0.064 0.220
mean soil moisture 0.207 0.033 0.744 0.000
mean soil temperature 0.432 0.000 0.385 0.000
log litter depth 0.476 0.000 0.028 0.528
log soil pH 0.323 0.003 0.418 0.000
log C (mg) 0.061 0.410 0.008 0.840
log N (mg) 0.107 0.191 0.262 0.001
log P (mg) 0.216 0.028 0.108 0.079
log Al (mg) 0.157 0.088 0.594 0.000
log Ca (mg) 0.230 0.024 0.422 0.000
log Fe (mQ) 0.174 0.061 0.276 0.001
log K (mg) 0.361 0.001 0.328 0.000
log Mg (mg) 0.007 0.906 0.341 0.000
log Mn (mg) 0.181 0.052 0.466 0.000
log Na (mg) 0.010 0.868 0.191 0.009
log S (mg) 0.177 0.059 0.114 0.061
log mean soil moisture 0.113 0.173 0.766 0.000
log mean soil temperature 0.437 0.000 0.286 0.000
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Supplementary Table 5.2 Parameters and their estimates from each of the two path models
(from the Indonesian and German data sets). All response and predictor variables are dissimilarity
matrices (e.g., ‘biomass’ denotes dissimilarity among plots in total biomass values).

Unstandardised Range-

Response

Predictor

standardized

coefficients coefficients

Indonesia

g?s‘;'m”me”ta' - geographic dist. 0.003 0.096 0.008
B-diversity <-- geographic dist. 0.000 0.108 <0.001
B-diversity <-- environmental dist. 0.020 0.225 <0.001
a-diversity <--  pB-diversity 3.709 0.592 <0.001
FDis <-- geographic dist. 0.000 0.096 0.010
biomass <-- a-diversity 0.797 0.409 <0.001
energy flux <-- o-diversity 0.432 0.269 <0.001
energy flux <--  hiomass 0.603 0.733 <0.001
Germany

S?S‘:"O”me”ta' - geographic dist. 0.001 0.195 <0.001
B-diversity <-- geographic dist. 0.000 0.227 <0.001
B-diversity <-- environmental dist. 0.019 0.157 0.020
a-diversity <-- geographic dist. -0.000 -0.094 0.006
a-diversity <-- pB-diversity 1.020 0.411 <0.001
biomass <-- geographic dist. 0.000 0.057 0.020
biomass <-- o-diversity 1.374 0.351 <0.001
biomass <--  B-diversity 3.364 0.347 <0.001
energy flux <-- geographic dist. -0.000 -0.054 0.001
energy flux <-- a-diversity 0.579 0.208 <0.001
energy flux <--  biomass 0.543 0.765 <0.001
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