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INTRODUCTION

Over the last two decades, mathematical mod-
eling has become an important tool to assist in
analyzing and understanding complex environ-
mental systems. Wherever a multitude of pro-
cesses, of either a physical, chemical, or bio-
logical nature, interact with each other,
mathematical modeling provides a rational
framework to formulate and integrate knowl-
edge that has been otherwise derived from (i)
theoretical work, (ii) fundamental (e.g., labora-
tory) investigations, and (iii) site-specific ex-
perimental work. In the case of subsurface
systems, data acquisition is typically very
expensive, especially in the field, so data sets
are usually sparse. Thus, validation of complex
models can be difficult. At the same time, it is
the lack of spatially and temporally dense infor-
mation and the need to fill the gaps between
measured data that provide an important driv-
ing force for integrated modeling.

Henning Prommer, Department of Earth Sciences, Faculty of
Geosciences, University of Utrecht, P.O. Box 80021, 3508
TA Utrecht, The Netherlands, and CSIRO Land and Water,
Private Bag No. 5, Wembley WA 6913, Australia, D. Andrew
Barry, Contaminated Land Assessment and Remediation Re-
search Centre, Insutute for Infrastructure and Environment,
School of Civil Engineering and Electronics, University of
Edinburgh, Edinburgh EH9 3]L, Scotland, United Kingdom.

4

In situ processes making use of bioremedia-
tion are prime candidates for an integratec
modeling approach. Whether microbial activ-
ity is responsible for direct breakdown of or-
ganic contaminants (such as dissolved petro-
leum products) or whether it is employed more
indirectly to alter geochemical conditions (such
that metal precipitation, for example, occurs),
it is evident that predictions of the combined
biogeochemical-hydrodynamic system be-
come very difficult if isolated aspects of the
total problem are considered separately. The
purpose of this chapter is to show how such
processes can be dealt within a single compre-
hensive yet realistic framework.

We have previously reviewed modeling of
the fate of oxidizable organic contaminants in
groundwater (9) and the physical and reactive
processes during biodegradation of hydrocar-
bons in groundwater (50). Here, we provide
an introduction and overview of the mathe-
matical/mechanistic descriptions of the impor-
tant processes governing bioremediation, con-
sidering the critical factors of microbial
processes (growth and decay of bacteria) and
physical processes (advection and dispersion) as
they relate to the applicability of bioremedia-
tion to the removal of organic pollutants from
contaminated groundwater.
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ROLE OF MODELING
BIOREMEDIATION PROCESSES

Both passive and enhanced (active) in situ
bioremediations are cost-effective contami-
nant cleanup methods compared to other
methods such as landfill disposal or incinera-
tion (see Table 1.3). However, traditional
methods are still, in many cases, the preferred
remediation option despite the apparent eco-
nomic benefits of bioremediation (29). Cer-
tainly, one important reason for this is the
lack of reliable a priori predictions concerning
the feasibility, duration, and cost of bioremed-
iation. Site managers dealing with soil or aqui-
fer contamination are faced with such ques-
tons as:

. To what extent will environmentally im-
portant receptors down gradient of the
source zone be impacted by a contaminant?

+ What are the expected average and maxi-
mum concentration levels?

+ What are the timescales for cleanup to
below given limits for different remediation
schemes?

+ What is the optimal design (in a multiobjec-
tive environment) of a particular (active/
passive) remediation scheme?

+ What is the sensitivity of| say, the duration
of the remediation process to changes in
physical or biogeochemical conditions?

+ What is the probability of failure of the pro-
posed remediation scheme?

The role of modeling in a remediation in-
vestigation is more than that of gaining an in-
creased quantitative understanding of the bio-
logical system. The process of developing a
clearly formulated conceptual model at the be-
ginning of the modeling process (or its ongoing
revision) often leads ultimately to a more rigor-
ous scientific understanding for model devel-
opers and users. An additional and important
benefit of modeling is, of course, its predictive
capability. However, such predictions do bear,
to a variable degree, uncertainty that originates
from the following:

» incomplete hydrogeological and hydrogeo-
chemical site characterization,

+ incomplete process understanding, and
« parameter ambiguity due to spatial and/or
temporal scaling issues.

Predictive modeling must therefore be
viewed with approprate caution. Given that
the modeling framework is sufficiently com-
prehensive, issues such as parameter uncer-
tainty can be implemented into the frame-
work and directly quantified. The approach
also contributes to the broader question of
probabilistic risk assessment, which often
guides engineering design of remediation
schemes.

In general, modeling provides the best
means to incorporate observed data into a sys-
tematic site investigation or, where data are
lacking, to investigate quickly a suite of sce-
narios that assist in gaining a better understand-
ing of factors dominating the duration and ef-
fectiveness of site cleanup. Below, an overview
of some of the mathematical descriptions and
modeling approaches involved in the simula-
tion of bioremediation problems is provided.
For the sake of clarity, we will focus initially
on the quantitative description of biochemical
processes (as a function of time) in batch-type
systems. The following discussion of batch-
type modeling uses simple examples to discuss
some of the common concepts needed to
model microbially mediated biodegradation
reactions (9). This discussion of biotic processes
will be succeeded by an introduction to some
of the fundamentals of modeling physical trans-
port before we move on to biogeochemical
transport, in which these biotic and physical
processes are combined.

MODELING BIOTIC REACTIVE
PROCESSES

In order to be able to design active bioremed-
iation systems and to understand passive bio-
remediation (natural attenuation), mechanistic
descriptions that quantify microbial activity
are needed. Since both the rate of microbial
growth and the rate of contaminant utilization
are highly dependent on the amount of bio-
mass available to catalyze the reactions (38),
such models must have the capability to pre-
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dict both transient and spatial variations in
biomass. To model the production of biomass
and the related consumption and production
of other chemicals, the key steps are (i) to
determine the stoichiometry of the biodegra-
dation reactions and, in order to describe the
temporal vaniations, (i) to formulate the rate
expressions for the reaction kinetics. Below,
we describe modeling of biodegradation
under oxidizing conditions. (Note: for sim-
plicity we do not describe here biodegrada-
tion reactions in which the contaminants act
as electron acceptors.)

Biodegradation Reactions for
Oxidizable Organic Contaminants

The electron flow in microbially mediated
redox reactions that mineralize, e.g., petroleum
hydrocarbons might be simplified into two
(sub)steps. In the first step, which is the oxida-
tion of an organic substrate, electrons are trans-
ferred to electron carriers such as NADH (14,
53). For example, the complete mineralization
of toluene coupled to the reduction of NAD*
can be written as

C;Hg 36 NAD" 421 H,O

—36 NADH+36 H" +7 H,CO; D

In this step, electrons are gained, which can
now be further transferred (14) to extracellular
electron acceptors (for example, oxygen or ni-
trate) or, alternatively, used for the formation
of additional biomass. The electron transter to
extracellular electron acceptors is referred to
as respiration and involves the (re)oxidation of
NADH. The appropnate reactions for the
major electron accepting processes are listed in
Table 4.1. In the second step, the free energy

gained in these reactions can then be stored as
ATP and, together with NADH, reinvested to
generate new biomass. If a simplified chemical
composition for biomass (CsH;O,N) is as-
sumed, the reaction, which diverts the electron
flow towards the generation of new biomass,

is described by (53):
10 NADH +5 H>CO;+NH,"

+9 H" + free energy

(2)
—CsH;0:N+ 10 NAD”
+13 H,O

The efficiency of the microorganisms deter-
mines the fraction of electrons (gained in the
oxidation step described by equation 1) that
1s diverted either to biomass generation ac-
cording to equation 2 or towards the elec-
tron-accepting step according to the reactions
listed in Table 4.1. The lower the efficiency
of the bacteria, the lower the fraction of
organic carbon that is incorporated into bio-
mass and the higher the fraction that is con-
verted to carbon dioxide. Efficiencies can vary
over a wide range, depending on both organic
substrates and electron acceptors, as well as
the ambient conditions, such as temperature.
For the reactions which yield the most en-
ergy, i.e., oxygen and nitrate reduction, effi-
ciencies can be as high as 50 to 70%. On
the other hand, they can be as low as 5%,
as found for CO, fixaton (53). Edwards et
al. (22), for example, used '*C-labeled sub-
strate to investigate the degradation of toluene
and xylene under sulfate-reducing conditions
and found that only 10% of the organic car-
bon was converted to cell material, while the

TABLE 4.1 Electron-accepting processes

Electron-accepting reaction

O, + 2NADH + 2 H* —» 2 H,0O + 2 NAD™ + free energy

2NO;~ +53NADH + 7H" = N, + 6 H,O + 5 NAD* + free energy
SO42~ 4+ 4 NADH + 5 H* =5 HS™ + 4 H,O + 4 NAD* + free energy
FeQOH + NADH + 3 H* — Fe2* + 2 H,O + NAD™ + free energy
MnO; + 2 NADH + 4 H* - Mn2* + 2 H,0 + 2 NAD™ + free energy
COs(g) + 8 H* + 8 NADH — CHy(g) + 2 H>O + 8 NAD* + free energy
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rest was used as an energy source and con-
verted to carbon dioxide. In addition to an
experimentally based determination of micro-
bial efficiency, it might also be determined
from thermodynamic considerations by the
method proposed by Van Briesen and Ritt-
mann (59). On the basis of a known or
estimated efficiency, the redox reactions can
then be balanced. For example, in the above-
mentioned case (toluene mineralization under
aerobic conditions) an efficiency estimate of
60% leads to the following reaction, in which
40% of the organic carbon (C;Hg) is con-
verted to inorganic carbon (HCOj5) and 60%
is converted to biomass (CsH;O5N):

C,Hg+0.84 NH;" +4.8 O,
+0.48 H,O — 2.8 HCOy  (3)
+0.84 CsH,0,N+3.64 H*

For the oxidation/mineralization of toluene
under sulfate-reducing conditions, assuming a
lower (10%) efficiency, balancing leads to

C,Hg+0.14 NH,* +4.15 SO,>
+2.58 H,O+1.86 H*
i (4)
— 6.30 HCO;
+0.14 CsH;0,N +4.15 H,S

Under the same assumptions, but for a different
reducible, organic compound (benzene), one
obtains

CeHe +0.12 NH, "+ 3.45 SO*
+2.64 H,O+1.38 H" %
— 5.4 HCO5 +0.12 CsH,0,N
+3.45 H.S

whereas the same exercise for ethylbenzene
and xylene(s) leads to

CSHH}"'O.IE) NH4+
+2.52 H;O+234 H' )
— 7.2 HCO;5 +0.16 CsH;0O:N

+4.85 HaS

Reeactions 3 to 6 and their stoichiometry reflect
the conditions for microbial growth. If cell
growth is neglected, the stoichiometry of the
mineralization reaction simplifies, for example,
from reaction 4 to

C,Hg+4.5 SO,* +3 H,O
(7)
+2 H'— 7 HCO4 +4.5 H.S

In this reaction, there is obviously more sulfate
consumed than in reaction 4, which considers
microbial growth (4.5 versus 4.15 mol of sul-
fate per mol of toluene degraded). This appar-
ent discrepancy can be accounted for by noting
the concentrations and valence of the redox-
sensitive reactants before and after the reaction.
For the complete mineralization of toluene,
electron balance requires (50)

Yoo HgOVeargt Yso,-200s0,2-
FHB TR 4 4

=Yuco,- oticos (8)

+ YHZ S0VH,S

where Y ng Ys0,2 Yaco, and Yy,s are the
stoichiometric factors of toluene, sulfate, bicar-
bonate, and hydrogen sulfide, respectively, and
Ve Hgr OVS0,% OVHCO5 s and ovp, are the ap-
propriate valences of these species. Maintaining
mass balance for sulfur and carbon requires that
Yso,> = Yiss and Yyco, = 7, respectively.
Consideration of microbial growth mandates
that ammonium and bacteria are included in the
electron balance:

Yf:?HgovC7H3+ Y,S()42— ousc,4z.+ YNH4+UVNH4+
=Yncos Vnco,-
9)
+Yeo 008 Y eom 00N
+Yh,s 0vp,s
where Y, + and Y ;0,1 are the stoichio-
metric factors for ammonium and bacteria, re-

spectively, and ovni, + and 0VcgH50,N are the
corresponding valences (50). However, nitro-
gen balance requires that

YNH4+ = Ycgn,0,8 (10)



112 @ PROMMER AND BARRY

At the same time, bacteria and ammonium
have the same valence, in which case it turns
out that the respective terms are equivalent.
Thus, the difference in sulfate consumption be-
tween the case described by reaction 4 and the
corresponding case described by reaction 7 can
be calculated from (50):

_ (7-6.3)ov Hco,” _ 0.7x4

W ok~ s 6—(-2)

AY,

i =(0.35
o 0.35

(11)

As we will see, the electron acceptor “saving”
that occurs during this step might subsequently
be consumed during microbial decay. The re-
action for the decay of bacteria (under sulfate-
reducing conditions) and the corresponding
consumption of electron acceptors is described
by (50):

CsH,O,N +3 H,O +2.5 SO,*
—5 HCO5y +2.5 HS (12
+1.5 H + NH,"

It follows from the stoichiometry of the reaction
that the decay of 1 mol of bacteria (CsH,O,N)
requires 2.5 mol of sulfate. Consequently, the
decay of the 0.14 mol of bacteria produced dur-
ing growth (see reaction 4) consumes 0.14 X
2.5 = 0.35 mol of sulfate. This amount equals
the difference in sulfate consumption between
reactions 4 and 7. Accordingly, where microbial
concentrations become steady state or quasi-
steady state, 1.e., where microbial growth occurs
at the same rate as bacterial decay, the stoichi-
ometry from reaction 7 applies. Depending, for
example, on whether the assumption of a quasi-
steady-state microbial concentration is a suffi-
ciently good approximation for a given prob-
lem, kinetic reaction models of different com-
plexities can be built on the basis of the above
stoichiometric relationships.

Rate expressions for the mineralization re-
actions typically used in reactive transport
models for biodegradation are based on three
conceptual reaction models. In the first and
simplest model (13), the biodegradation rea-

ction is assumed to be instantaneous. This
means that the reaction is limited only
through the availability of either the electron
acceptor or the contaminant (electron donor).
The reaction is assumed to proceed at an
infinite rate until either of these is depleted.
A widely used biodegradation model that in-
corporates this approach for aerobic (only)
biodegradation of hydrocarbons is BI-
OPLUME (13, 51), and an analytical solution
for this problem was provided by Ham et al.
(30). Note that in this approach, bactenal
concentrations are not modeled explicitly.
This assumption is, however, not necessarily
suitable for simulating slowly degrading hy-
drocarbon contaminants. An improved de-
scription of the reaction kinetics, using a dual-
substrate Monod kinetics formulation, was
proposed previously (52). In this description,
the biomass concentration is assumed to re-
main constant with time (although it can vary
spatially) throughout the subsurface (i.e.,
model domain). The modeling approach de-
scribed by Lu et al. (39) also incorporates this
assumption but provides a framework that
allows the simulation of mulaple electron-
accepting processes. In many cases, however,
it is obvious that the dynamics of biomass
growth will play an important role in biodeg-
radation. Hence, in the most realistic descrip-
tion of the bioremediation process, the con-
taminant degradation kinetics are typically
described by using Monod kinetics, and the
biomass concentration is allowed to change
as a function of space and time as the biomass
grows and decays.

Microbial Growth and Decay

In the macroscopic mathematical descriptions
of microbial growth dynamics aimed at govern-
ing laboratory- or field-scale processes, many of
the complex interdependencies that are known
at the microscopic scale are commonly ne-
glected and described by empirical formulations
based on the classical works of Michaelis and
Menten (41) and Monod (42). The expression
describing a specific bacterial growth rate, v,
observed in many batch experiments is:
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org
Vo Vi o (13)
P max
Kurg + Cul‘g
where C,,, is the concentration of the organic
substrate, vy, 15 an asymptotic maximum spe-
cific uptake rate, and K, is the half-satura-
tion constant, the substrate concentration at
which the actual uptake rate equals v,,,./2.
Based on equation 13, the total uptake rate
v, considers the dependency of the change
of microbial mass on the actual microbial
concentration X itself:
(&
~Org
Vm =l’ma:¢ - ‘K (14)
I\urg + CUTg

An additional (potential) growth limitation by
electron acceptor availability might be incor-
porated into equation 14, leading to
CHI’K Cra

=V
" max - -
Kum - C.mg K+ C,

(h)

X (15)

where C,, is the electron acceptor concentra-
tion and K., is the appropriate half-saturation
constant (3.4). The complete mass balance
equation for the microbial mass, X, describing
the change of microbial concentration as a
function of time, also needs to include micro-
bial decay:

E _ 3.’(5,0“.,], x aXn.Ir.u)' {16)
ot ot ot
with
axgmwlh s CU'S Cn
af } "\'-,m + Cc'r’g Kn +Cra
(17)
and
X,
dﬂ.ﬂ = __Vdcc‘xr (18)
ot

where vy, is a decay rate constant and Y, is a
stoichiometric factor. During growth (v,, > 0),
both organic substrate and electron acceptors
are consumed at rates that are proportional to v,,,.

Thus, for a known reaction stoichiometry, the
actual rates can be easily determined. For exam-
ple, in the previously discussed case of toluene
degradation under sulfate-reducing conditions
(equation 4), the complete mineralization of 1
mol of toluene consumes 4.15 mol of sulfate
(during growth) and yields 0.14 mol of sulfate-
reducing bacteria (SRB), thus:

X

ﬂz“.]‘h}'m (19)
ot
and
o _ 4 150, (20)
ot

where C, 1s the concentration of sulfate.
As shown in Fig. 4.1, for given initial concen-
trations (at time t = 0 [see Table 4.2]), we
can now compute the temporal development
of toluene and sulfate and of the microbial
mass in a closed batch-type system (case 1a).
This can be done, for example, with the
geochemical model PHREEQC-2 (45) by
using its capability to compute arbitrary user-
defined kinetic reactions. Notable in the
upper plot is the lag period of several days
before the degradation affects the aqueous
concentrations of toluene and sulfate. Its
length depends largely on the initial bacterial
concentration and on Yy, the maximum up-
take rate (values given in Tables 4.2 and 4.3).
The removal of the initial toluene mass (0.1
mmol) is reached after 14 days, at a time
when approximately 0.415 mmol of sulfate
is depleted. The microbial (net) growth then
stops immediately (v,, = 0) and the microbial
mass is subsequently changing at the rate given
by equation 18, thereby consuming the re-
maining 0.035 mmol of sulfate, as discussed
previously (Fig. 4.1, case 1a). By comparison,
Fig. 4.1 shows also the temporal development
of the sulfate concentration if the effects of
the different valence states of bacteria (com-
pared to the end product CO5) and the related
geochemical changes are not considered (Fig.
4.1, case 1b). In the latter case, all sulfate is
consumed during bacterial growth and none
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FIGURE 4.1 Simulation of toluene mineralization by SRB in a closed batch system.

TABLE 4.2 Iniual concentrations of aqueous components and minerals in the batch-type biodegradation
simulations
Ac Initial conen (mol/liter)

queous
component Case 1 Case 2 Case 3 Case 4 Case 5
Benzene — 4.0 X 10—+ — — —
Toluene 1.0 X 10—+ 3.0 X 10—+ 3.0 X 104 3.0 X 10-4 2.0 X 10—+
Ethylbenzene — 1.0 X 10—+ g= = o
Xylene — 2.5 X 10—+ — — —
O — — 6.25 X 10—+ _— 6.25 X 10—+
N 1.0:%¢ 10-4 1.0 X 10—+ 5.0 X 104 1.0 X 10-4 5.0 X 10—+
S(6) 4.5 X 10—+ 5:0 X:10+3 8.0 X 104 1.0 X 10-3 —
C(4) — —_ — —_ 1.12 X 103
Ca — —_ s —_ 332 X 102
Ma — — — —_ 1.00 X 10-2
Cl — -~ = w= 6.17 X 103
Aerobes = e 1.0 X 10-4 - —_
Denitrifiers 1.0 % 10-8
SRB 1.0 X 10-8 1.0 = 10-# 1.0 X 10-8 1.0 X 108 ==
Caleite —_ — - — L0 X 103
Fe(OH)x(a) — == — — 4.0 X 103
Siderite = — — — 0

" Total nitrogen, except for cases 3 and 5, where 1t 1s defined as nitrate/N (5).

" —, not considered in simulation.
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TABLE 4.3 Parameters used in the batch-type biodegradation modeling (cases 1 to 5)

Aqueous component

Value for:

Case 1

Case 2

Case 3 Case 4 Case 5

K,y (mol hiter ')

K (mol Liter 1)

K, (mol licer—1)
K;,{()H)J {I'llO] liter ])
Ky (mol liter—!
Kpengene (mol liter=!
Kisiuene (mol liter ')
Kethyibenzene (mol liter=1)
Kiene (mol liter=1)
Kiahit, ox (mol liter—1)
Kinib, bio (mol liter=1)

Vmax, sulf, benzene (daf‘ n
Venax, heroh, wluene ‘da)" ’)
Venax, sulf, toluene (day—')
Venax, wlf, echylbenzene (day 1)
Vi, sl xylenc (day ")
Vaecay (day ™)

p—
1.0 X 10-3
1.0 X 10-5

1O X 10
1.0 X 10
1.0 X 10
1.0 X 10
1.0 % 10

0.1

5.0
0.5
1.0
0.1

-5

Tox (da)'_ |) — —
foie (day—1) — —
fre(oH), (day ') — =

1.0 X 105 —

5 1.0 X 10)-3

1.0 X 10-5
1.0 X 10-5
1.0 X 10-5 —
1.0 % 10-5
2.0 X 10-6 — s
=5 1.0 X 10-3 1.0 X 103 =
=5 - — —_—

=5

5.0 X 10-¢ — -
1.0 X 10-4 —
25 X 10-5
1.0 X 10-5
25 X 10-0

0.1 0.1 0.1

4.32 X 105
8.64 X 10—¢
8.64 X 10-7

* —, not considered in simulanon.

is consumed during bacterial decay. Note that
the differences between the two cases become
more pronounced with increasing bacterial
efficiency (here 10%), as shown for example
by Barry et al. (9) for simulations involving
dissolved organic carbon, CH-O, and oxygen.

Of course, the formulations for microbial
growth above apply only to the uptake of a sin-
gle substrate, whereas contamination often in-
volves numerous (organic) compounds. The
(possibly simultaneous) uptake of these sub-
strates can be incorporated into the modeling
approach described above. The model of
Kindred and Celia (35), also used in otherstudies
(24,48, 55), states that the growth of the degrad-
ing microbial community is simply the sum of
the growth rates arising from degradation of in-
dividual organic contaminants:

ax ax,
5=l X S e X @

n=ln,,

where, in analogy to equation 17, each of the
growth terms dX, /0t can be derived from

aXﬂ " C"—""H< " Cca
K iCon K, 4G, P
t org, n + org, n e +Ce

The uptake rates v, can differ between
different substrates. In this way, it is possible
to model varying degradation rates of different
electron donors. This can be necessary when,
for example, benzene degrades more slowly
than the other compounds, as reported by
Davis et al. (19). The case of a simultaneous
uptake of BTEX constituents (benzene, tolu-
ene, ethylbenzene, xylenes) by one microbial
group is demonstrated by the next simulation
example (case 2). Different initial amounts of
organic compounds were assumed to be pres-
ent (Table 4.2) and the initial sulfate mass
was increased compared to that of the first
example (thus, still present in excess). As can
be seen in Fig. 4.2, for the chosen parameters
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FIGURE 4.2 Simulation of BTEX mineralization by SRB in a closed batch system

(after the work of Barry et al. [9]).

(Table 4.3), toluene and ethylbenzene degrade
first. They are followed by xylene, while deg-
radation of benzene takes longest. The rate
of sulfate consumption decreases once toluene
and ethylbenzene are depleted and slows
down further as soon as only benzene is left
to degrade. Figure 4.2 shows also the temporal
development of the nitrogen concentration
within the aqueous phase. During bacterial
growth, nitrogen is removed from the aque-
ous phase and incorporated into biomass.

Once the bacterial decay rate exceeds the
growth rate, the nitrogen released to the
aqueous phase eventually returns the nitrogen
concentration to its initial value.

Nutrient Limitation

While in many cases bacterial activity is limited
by substrate or electron acceptor availability,
growth might also be limited by nutrients such
as nitrogen or phosphorus. The most common
mathematical model to consider this effect is
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simply to add an additional Monod term to
equation 17. For the case of a potential growth
limitation by nitrogen, this gives

a‘ngth . Y. Corg
dt Ko +Cop 23)
o0 o)

K., +C, K,+C,

where K,, is a half-saturation constant for nitro-
gen and C, is the concentration of nitrogen in
the aqueous phase.

Multiple Bacterial Groups and Growth
Inhibition

So far, we have assumed that the contaminant
degradation is dominated by a single biogeo-
chemical process in which one particular bacte-
rial group is largely responsible for the contami-
nant breakdown. Thisassumption mightindeed
be valid for some cases of active bioremediation
schemes in which electron acceptors are actively
replenished. However, in most instances where
contaminants degrade naturally, i.e., without
any intervention, it is very likely that more than
one bacterial group will be involved in the deg-
radation process as electron acceptors become
locally depleted. When this is the case, bacterial
groups that rely on less thermodynamically fa-
vorable electron acceptors might take over and
proceed with the contaminant breakdown.
Eventually this leads in most cases to the forma-
tion of distinct redox zones whereby the domi-
nating bacterial group corresponds to the most
thermodynamically favorable electron acceptor
within each zone. In numerical models, the se-
quential use of electron acceptors can be
achieved through the introduction of additional
Monod-type inhibition terms. For example, the
inhibited growth of sulfate-reducing bacteria in
the presence of oxygen and nitrate can be ex-
pressed by

a.}( It A‘Ul"
—sult _  maXys I .
ar sulf *x “inh,ox “inh,nit K[,,g +(:(,,.“
Cai .
> ‘\'ullf (24)
Ksulf +Cm|l‘

and using for the inhibition terms:

K\nh ox
JI-nh,-\:r.u: e (25)
: K:nh, ox + Cm(
and
bt it =3 e = (26)
‘I\mh. nit + (':m

where C,,, and C;, are the concentrations of oxygen
and nitate, respectvely, and K, and Ky
are half-saturaton constants. Ky o and Kip, e
are inhibition constants that need to be much
smaller than typical nitrate or oxygen concen-
trations under ambient conditions. The
Monod-type inhibition term Iy, o will then
remain =() aslongas oxygen is present in signifi-
cant amounts but reaches its maximum value of
=1 as soon as oxygen is depleted. Growth of
SRB remains inhibited after I, .. becomes
=1, because L, i 15 still =0 as long as nitrate
1s present. Once nitrate concentrations become
very low, Ly o also approaches =1 and growth
of SR B can start to increase to rates that will af-
fect the concentration of the organic substrate
(no more growth inhibition). Mathematically,
the form of the inhibition terms resembles that
used in model approaches that do not explicitly
consider bacterial growth and decay for the
computation of the oxidation rates of the or-
ganic compounds (39). Van Cappellen etal. (60)
have used inhibition terms of this form for the
simulation of the oxidation of organic matter in
aquatic sediments. Most comprehensive bio-
degradation models incorporate multiple inhi-
bition terms into the growth equation(s). Fol-
lowing equation 21 and assuming that microbial
groups are distinguished by their capacity of
using a particular electron acceptor, a general-
ized formulation for microbial growth is then

0X _

X, ;
E IT ted| X ol | R

=L n=ln,.

(27)
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where I, ;is an inhibition term similar to that
in equation 25 for each of the n;,,;,, more favora-
ble electron acceptors. An illustrative example
for the sequential use of electron acceptors is
given by the third simulation example (case 3).
It involves the sequential consumption of oxy-
gen, nitrate, and sulfate during oxidation of tol-
uene. For the initial conditions and parameters
chosen in this example (Table 4.2), full miner-
alization of toluene occurs during the course
of the numerical experiment, as can be seen in
Fig. 4.3. However, it can also be seen that the
degradation of toluene occurs in three distinct
phases, i.e., under aerobic, denitrifying, and fi-
nally sulfate-reducing conditions. During the
first phase, the oxygen that is initally present
in the system is consumed rapidly, subsequent
to an initial lag period during which toluene
concentrations remain essentially unchanged.
The lag period results from the very small initial
microbial concentrations of the aerobic de-
graders (aerobes). Once oxygen is depleted, the
oxidation of toluene then continues after a fur-

ther lag period. It involves the growth of deni-
trifying bacteria, which stops once nitrate is also
depleted. In the final stage, the toluene removal
is completed by the activity of the SRB.

Some conceptual models for biologically
mediated degradation reactions suggest that
with increasing biomass concentrations and thus
increasing biofilm thickness, degradation rates
might become limited by the supply of reac-
tants. In order to avoid solving the diffusional
transport of reactants at a microscopic (l.e.,
within-biofilm) level, Kindred and Celia (35)
have proposed use ofa macroscopic formulation
to account for the rate limitation resulting from
excessive biomass accumulation. The mass bal-
ance equation for bacteria becomes

C
aX Yx Jrbiu =
K, +C,

org

at = (UI'I'IAX
(28)
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FIGURE4.3 Simulation of toluene mineralization by sequential use of oxygen, nitrate,
and sulfate in a closed batch system (after the work of Barry et al. [9]).
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with:

where K, 1s an inhibiting biomass concentra-
tion. As Kindred and Celia (35) pointed out,
when a microbial concentration becomes much
larger than K, the growth term will become
similar to the basic Michaelis-Menten expres-
sion. Conceptually, this represents a situation
where the real biofilm thickness becomes irrele-
vant since the metabolic activity occurs pre-
dominantly on the upper layers of a biofilm that
are more exposed to the nutnent-bearing aque-

ous phase. A mathematically equivalent inhibi-
tion term aimed at suppressing excessive micro-
bial growth was proposed by Zysset et al. (69):

I — GIYM,\_X (30)
bio — B
max
where 8,,,,, 1s a maximum bacterial concentra-
tion.

The sensitivity of modeling results to the
selected magnitude of K}, 1s illustrated by case
4 (Fig. 4.4). It can be seen that if Ky,;, = 1 X
10~ mol liter ', the simulated evolution of
the biomass concentrations is almost similar to

Toluene
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0.3 ¢
',-A w10 biom. inh.
= 02 H — Ko~le™M
2 - - k. =2.56-05
E_‘)"’ 01k = kbio=le—05
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T
:
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0
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FIGURE 4.4 Simulation of toluene mineralization by sulfate with and without

growth mhibition.
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that of the uninhibited case. In contrast, for the
example simulation that uses the smallest Ky,
(25 X 107° mol liter '), the microbial
growth 1s strongly inhibited, resulting in a
much lower contaminant removal rate.

Modeling Geochemical Changes
during Biodegradation

In many cases, the reactions that are critical
in determining the rates of removal of con-
taminants from groundwater involve the pro-
duction and consumption of protons and
other reactants, which subsequently can trig-
ger the precipitation or dissolution of min-
erals, 1on exchange, or surface complexation
reactions (21). For example, the oxidation of
BTEX compounds not only consumes elec-
tron acceptors, but also causes changes in
alkalinity and pH and produces reduced forms
of electron acceptors such as sulfide or ferrous
iron. The latter species may react further and
precipitate as minerals such as siderite
(FeCOy), 1ron sulfide (FeS), or pyrite (FeS,).
For simplicity, those effects are often ne-
glected in modeling studies.

There are situations, however, in which
the simulation of only the primary reactions
provides insufficient information or delivers
erroneous results. Where reaction rates are
dependent on the pH of the groundwater,
the simulation of the hydrogeochemistry and
thus of secondary reactions might be required,
which itself 1s changing during biodegrada-
tion. When monitored natural attenuation is
considered for use as a remediation technique,
understanding and quantifying the detailed
geochemical footprint of degradation reac-
tions can be an important component for
the successtul verification of the attenuation
processes (64). Given the increased use of
monitored natural attenuation for treatment
of BTEX-contaminated groundwater, the in-
clusion of the geochemical changes that occur
during the bioremediation process can be es-
sential for accurate modeling of the fate of
the contaminants.

The next example that we will discuss here
(case 5) provides a relatively simple illustration

of a situation where geochemical interactions
occur in response to the oxidation of organic
compounds. As above, we use a batch-type
model to look at the fate of the reaction prod-
ucts. Toluene mineralization is taken again as
the primary reaction, which now also acts as
the driving force for secondary reactions. As
noted by Brun and Engesgaard (15), such prob-
lems can be modeled by a two-step method,
or so-called partial equilibrium approach. This
approach splits the redox reaction to be mod-
eled into two separate steps: (1) the electron-
donating oxidation step and (i1) the electron-
accepting step, as discussed in earlier sections
of this chapter, According to Postma and Ja-
kobsen (47), the assumption that the first step
is rate limiting is made and thus the second
step can be simply modeled as an equilibrium
reaction. For illustration purposes, we use, in
contrast to the previous simulation examples,
an approach in which microbial growth and
decay are not included in the model. Instead,
we use a simpler rate equation for the time-
dependent degradation of toluene, based on an
additive Monod expression:

C
org _ _ . ea, | 31

I=!..Fl" ea, i L

where C,,, 1s here the toluene concentration,
C.,. ;1s the concentration of the ith electron ac-
ceptor, n,, 1s the number of electron acceptors,
and r, ;and K., , are the reaction rate and the
half-saturation constants corresponding to the
ith electron acceptor, respectively. The form of
equation 31 causes the oxidation rate of toluene
to decrease successively as more and more oxi-
dation capacity gets depleted, i.¢., as redox con-
ditions become more and more reducing. In the
simulation, we assume that oxygen, nitrate, and
amorphous iron oxide [Fe(OH);] are imually
present as electron acceptors. The parameter
values and initial concentrations used for this
numerical experiment are shown in Tables 4.2
and 4.3, while the simulation results are shown
in Fig. 4.5. As microbial growth and decay are
notsimulated, toluene degradation begins with-
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FIGURE 4.5 Simulation of toluene mineralization under sequential aerobic, denitrify-
ing, and iron-reducing conditions in a closed batch system. TIC, total inorganic carbon.

out any lag period immediately after the start of
the simulation. The degradation rate is highest
at the beginning while oxygen is still present but
decreases constantly over time. Once nitrate is
depleted (after 8 days), the simulated Fe(OH),
concentration also starts to decrease. The simu-
lation results in Fig. 4.5 show also that the total
inorganic carbon concentration increases dur-
ing the phase at which oxygen and nitrate act as
electron acceptors. However, once iron reduc-
tion has started, the total inorganic carbon con-

centration starts to decrease again as the solution
becomes (or, more precisely, would become)
oversaturated with respect to siderite (FeCOs),
which therefore precipitates. Figure 4.5 also de-
picts pH changes during the three phases of the
numerical experiment. The changes would
even be more pronounced if calcite (CaCOs5)
did not bufter the pH changes. The simulation
results indicate therefore that even the (dis-
solved) calcium concentrations are ultimately
affected by toluene oxadation.
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MODELING FLOW AND PHYSICAL
TRANSPORT

Nonreactive Single-Species Transport
The successful application of bioremediation
techniques to contaminated groundwater is
based on the availability of all essential ingredi-
ents required for the microbial activity to
occur. In many groundwater systems, the rate
of delivery of one or more of the reactants that
take part in the transformation limits the
progress of contaminant destruction. Clearly,
groundwater flow and the resulting mixing
caused by hydrodynamic dispersion play a key
role for remediation success. Detailed under-
standing and quantification of the natural
groundwater dynamics and/or the dynamics
induced by a remediation scheme are essential
for optimizing engineered schemes or predict-
ing natural attenuation.

The macroscopic mass balance for the trans-
port of a single, dissolved, nonreactive chemi-
cal species within a three-dimensional domain
is described mathematically by the partial dif-
ferential equaton (10, 11, 67)

aCc  d aC. d q
—_— e e e C B
T3 D5 )5 O EG 6D

i

where C [ML 7] is the aqueous concentration
of the chemical species, v, [LT '] is the pore
water velocity in direction x; [L], D; [L*T '] is
the hydrodynamic dispersion coefhcient tensor
(summation convention assumed), 0 is the po-
rosity of the porous medium, ¢, [L°L 3T~ 1)
is the volumetric flux rate per unit volume of
water representing external sources and sinks,
and C, [ML ™ ?| is the concentration of the spe-
cies within this flux if g, is positive (injection),
otherwise C, = C. In equation 32, the chemi-
cal species is subject to advective and dispersive
transport by the flowing fluid.

The advection-dispersion equation results
from averaging microscopic processes occur-
ring at the pore scale within a representative ele-
mentary volume, leading to a continuum model
at the macroscopic level (10). The advection
term describes the transport of a dissolved spe-
cies at the same mean velocity as the groundwa-
ter, which 1s the dominating physical process in

most field-scale contamination problems within
the saturated groundwater zone. The dispersion
term represents two processes, mechanical dis-
persion and molecular diffusion. Mechanical
dispersion results from the fluctuation of the
(microscopic) streamlines in space with respect
to the mean flow direction and inhomogeneous
conductivities within the representative ele-
mentary volume. Molecular diffusion is caused
by the random movement of the molecules in a
fluid. It is usually negligible compared to me-
chanical dispersion (10). The (macroscopic)
pore velocity v; in equation 32 is derived from
Darcy’s law

v, = —Ei'—ai (33)
0 ox,

and the three-dimensional flow equation for
saturated groundwater

0 oh oh
| =S —
) +q, =S, 5 (34)

i

where Kj; is the hydraulic conductivity tensor
and h [L] is the hydraulic head. Note that the
oft-diagonal entries of the hydraulic conduc-
tivity tensor become zero if the principal com-
ponents are aligned with the x, y, and z axes
of the flow domain. Analytical solutions for
equations 32 to 34 exist only for relatively sim-
ple cases. Thus, for solving more complicated
cases, e.g., involving heterogeneous aquifers,
transient boundary conditions, etc., numerical
techniques such as the finite difference and fi-
nite element methods (11, 34, 46, 62) are re-
quired. Groundwater flow models such as
MODFLOW (40), HST3D (37), FEM-
WATER (65), and FEFLOW (20) that incor-
porate information on the hydrological and hy-
drogeological properties of a site will typically
form the basis for subsequent contaminant
transport simulations. However, in many cases,
a proper groundwater flow model itself can al-
ready provide useful information, e.g., to esti-
mate how fast the edge of a contamination
front would migrate in a nonreactive case, i.e.,
if no biodegradation or sorption occurred.
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Modeling packages such as PMPATH (16)
allow predictions of the contaminant flow path
and travel times of nonreactive contaminants.

The first step in building such a site-specific
groundwater flow model is, based on a prelimi-
nary site characterization, the development of
a conceptual hydrological and hydrogeological
model. At this stage, all available geologic and
hydrographic information is collated and ana-
lyzed. The conceptual model formulates the
following qualitatively:

. the general groundwater flow direction;

« (natural) boundaries that might be used as
boundaries in the numerical model, such as
(subsurface) catchment boundaries and (di-
viding) streamlines;

- which stratigraphic layer(s) s more and
which one is less or much less permeable,
and which layer(s) is suitable to form a
boundary in the numerical model; and

. the fluxes into and out of a chosen (model)
domain and how to determine or estimate
these fluxes quantitatively.

The so-constructed conceptual model
might be translated into a simple numerical
model, pointing to data gaps and thus assisting
in the design of a refined characterization pro-
gram and monitoring network. Details of this
procedure can be found in many groundwater
hydrology-specific textbooks such as those by
Freeze and Cherry (28) or Fetter (26). Model-
ing texts such as those by Anderson and Woes-
sner (2), Chiang and Kinzelbach (16), and
Zheng and Bennett (68) are available also.

Reactive Single-Species Transport

The chemical species transported by ground-
water as described by equation 32 will, in most
cases, either interact with the aquifer material
(e.g., sorption, ion exchange, or precipitation-
dissolution) or react with other chemicals in
the aqueous phase (e.g., acid-base reactions or
redox reactions) or both. In a very general, un-
specified form this can be expressed mathe-
matically by including an additional reaction
term, R e, In the above-mentioned transport
equation, leading to

3_6 = i(Dij iC‘)_ _"‘a‘“('-";‘c)
t ox; Jx;” dx;

35
+ % C, +R,... i
This reaction term is typically a complicated
function of the concentrations of many other
chemical species and/or of bacterial concentra-
tions, for example. Limited by the availability
of appropriate computational resources, these
interactions between multiple groundwater
and soil constituents were, until recently, ne-
glected in most modeling applications. How-
ever, with the steady disappearance of this con-
straint, models of increasing complexity have
been developed.

COUPLED PHYSICAL TRANSPORT
AND REACTIVE PROCESSES

We now consider the case where physical trans-
port and reactive processes occur simultane-
ously. To solve this type of problem, a range of
numerical schemes exists (e.g., see reference
56). We focus here, however, on only one par-
ticular method, the split-operator technique
(6—8, 33, 66), which is (i) simple to understand,
(i1) relatively easy to implement on parallel com-
puters, and (ii)) with few exceptions (e.g.,
OS3D/GIMRT software from Pacific North-
west National Laboratory, Richland, Wash.)
has become the standard method for solving
such combined physicochemical problems. The
operator-splitting technique involves separat-
ing the processes (e.g., flow, transport of indi-
vidual chemical components or species, chemi-
cal reactions, and microbial activity) within the
numerical model and solving each submodel in-
dependently. Different implementations of this
method exist, resulting in different degrees of
accuracy and computational burden. In the
most simple and commonly applied vanation,
equation 32 is initially solved separately for each
transported chemical for each time step oflength
At before, in a second step, the concentration
changes due to chemical reactions during Ar are
determined. The latter computation is carried
out for each grid cell (in a spatially discretized
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domain) independently from other grid cells,
thereby simplifying the computational burden
significantly compared with that of the fully
coupled case. The rates at which the reactions
proceed n relation to the velocity at which the
chemicals are transported provide the criteria for
choosing an appropriate solution technique to
accurately describe the reactive processes.
Under the assumption that all reactive processes
proceed rapidly in comparison to groundwater
flow and transport, known as the local equilib-
rium assumption, equilibrium thermodynamics
can be used to compute the concentration
changes. Note that within this (equilibration)
step, each grid cell is treated as a closed system.
Thatis, the total concentration of each chemical
component, consisting of the sum of aqueous,
sorbed, precipitated and gas-phase concentra-
tions, does not change, although the distribu-
tion within these phases and the concentration
of (complexed) species will vary. Batch-
type geochemical equilibrium packages such
as PHREEQE/PHREEQC (43, 44) or
MINTEQAZ2 (1) can be used for this step. En-
gesgaard and Kipp (23) and Walter et al. (61)
presented examples of models employing this
technique. More recently, the split-operator
technique hasbeen applied to model sets of mul-
tiple, exclusively kinetically reacting species
(e.g., see reference 18) or for problems where
both equilibrium and kinetic reactions occur.
The PHREEQC-2 model (45), which we have
already used for the batch-type examples, can be
used for a modeling approach of the latter class.
Coupled to a transport model via operator split-
ting, it is capable of determining the reaction
term R ,.,, within equation 35 for a wide varie-
ty of sets of mixed equilibdum and kine-
tic reactions (15, 49, 50; also PHAST [http://
www.brr.cr.usgs.gov/projects/ GWC_coupled/
phast/] from the U.S. Geological Survey).
Below, we will explore some of the major as-
pects and typical applications related to bior-
emediation.

MODELING OF NATURAL
ATTENUATION PROCESSES

More than in other areas of bioremediation,
numerical modeling is applied to assist the as-

sessment of site-specific risks when natural at-
tenuation is the preferred remediation option.
In many cases it can be expected that the disso-
lution from free product, i.c., non-aqueous-
phase liquids (NAPLs), in the vicinity of the
saturated groundwater zone will provide a
long-term contamination source for the
groundwater, perhaps lasting decades or even
hundreds of years. Under most circumstances
that involve NAPL dissolution, groundwater
contarminant plumes of a more or less stable
length will form during a relatvely short
timescale (30). Stable plumes occur under con-
ditions where the total mass dissolved from the
free product (per unit of time) equals the rate
of total contaminant mass destruction by bio-
degradation. In the case of oxidizable organic
compounds such as petroleum hydrocarbons
(or landfill leachates), typically one or more
electron acceptors will be consumed so that
distinct redox zones form downstream of the
contaminant source (5, 12). They are the result
of the sequential use of electron acceptors, with
the most reduced chemical environment being
the plume center in proximity of the source
region. The key factors that are largely respon-
sible for the length of steady-state plumes are:

- groundwater flow velocity,

- rate of organic compound dissolution from
free product or NAPL in the source zone,

- oxidation capacity provided by the back-
ground or uncontaminated water, and

- mixing of electron acceptors through trans-
verse hydrodynamic dispersion.

In the following section, we will discuss
some of the important modeling aspects of
these governing factors.

Modeling the Contamination Source

In most cases where numerical modeling is ap-
plied to field-scale contamination problems,
the extent and the location of the source of the
contamination are not well characterized. In
order to reduce the uncertainty associated with
the lack of detailed information, the migration
of the contaminant might be simulated as a
multiphase problem mvolving water, air, and
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oil (25). However, in many instances, in partic-
ular when the oil phase is denser than water, the
source location and extension must be largely
guessed. With the known or estimated location
of the contamination source, the (simultane-
ous) mass transfer of multiple organic com-
pounds from the NAPL phase to the water
phase and the (dissolved) concentrations of the
organic compounds can be approximated. For
the fy, organic compounds that are present in
the NAPL phase, nonequilibrium mass trans-
fer, 1y, from a NAPL pool is expressed as

- dis
BC.I = ml(cjsnt. me C‘) (36)
ot

where @, [T '] is a rate transfer coefficient ap-
proaching infinity for equilibrium dissolution,
C, [ML ~?] is the aqueous species concentration
of the ith organic compound, and C*" ™
[ML 7] is the multicomponent solubility of
the ith organic compound. The multicompo-
nent solubility is calculated according to
Raoult’s law:

Cisat, me _ (jlsau:,YIi m, (37}
where CF [ML 7] is the single-species solu-
bility, v, is the activity coefficient of the ith
organic compound (typically for simplicity as-
sumed to be unity), and m; is the mole fraction
of the ith organic compound. The mole frac-
tion is defined as

m=— (38)
oL

where #; is the molar concentration of com-
pound i in the NAPL and #, is the total molar
concentration of all organic compounds in the
NAPL. From equations 36 to 38 it becomes
clear that the near-source concentrations might
change with time due to the temporal change in
the molar fraction. When the dissolution pro-
cessis kinetically controlled, concentrations will
also depend on the groundwater flow velocity.
As a first example for a coupled transport and
reaction simulation, we look at a simple, one-
dimensional transport problem where uncon-

taminated, anaerobic, sulfate-rich ground water
is passing a 4-m-long aquifer zone (located be-
tween 5 and 9 m from the left influent boundary)
contaminated with residual NAPL blobs. The
groundwater flow rate is constant, 1.e., pore ve-
locity of 0.75 mday ~ ! (case 6; initial concentra-
tions are given in Table 4.4). We assume that the
residual NAPL consists only of the four BTEX
compounds as, in practice, they are the most sol-
uble gasoline constituents. As before, we assume
that sulfate and dissolved BTEX compounds act
as electron acceptors and electron donors, re-
spectively. Only the activity of SR B attached to
the aquifer matrix is simulated; i.e., any detach-
ment-attachment and transport processes of
SRB are considered negligible. As the simula-
tion results for this simple system show (Fig.
4.6), there is an increase of BTEX concentra-

TABLE 4.4 Inital concentrations of NAPLs,
aqueous components, and microbes in the
uncontaminated aquifer (cases 6 and 7)

Component or bacteria Ceoncn (mol/liter)

Inorganic aqueous components”

O0) 1ot 0.0
SOV LY i TR 250 X 10-3
U0 s s s 0.0
10111 OO e+ st i 1. 103
Fe(HIY.. s kO0 X 10-12
ClIV) it vann e e 7.95 X 102
s A P L SR R R 5.00 X 10-2
VI souismosns oo e R s e 5.66 X 104
DN e s S0 AR 5.24 X 10-3
R R AR TR R 2.59 X 104
Cloiiiiciieeeei e 0044 X0 1073
Organic compound or bacteria
Non-NAPL
BenZene sy v e e bradassns 0.0
Toluene....ooooeiviieeiiiieeiiieeieenn 0.0
Bthylbenzene.: i ain i 0.0
HKAenE. v mmrsm ey O
NAPL
Benzene vssismisisaesmvinyssmii 2.0
Toluene........vviveeerieacereennne 3.0
Ethylbenzene........ccooiiiinn . 20
SHSHE s e 1.0
SBB i sit i s e 1.0 % 10-8

“pH, 6.57; pe (measure of electron acuvity m agueous solu-
tion), —2.08.
" Values in parentheses indicate valence state,
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tions within the NAPL-containing zone, with
the maximum concentrations varying signifi-
cantly due to the different mole fractions of the
compounds in the NAPL mix and due to their
different (single-component) aqueous solubili-
ties (C**). The BTEX compounds are undergo-
ing biodegradation within and downstream of
the source zone as long as sulfate is available, so
thattoluene, ethylbenzene, and xylene are com-
pletely removed, but not benzene. Since no

other degradation processes that involve less fa-
vorable electron acceptors such as iron reduc-
tion or methanogenesis are modeled here, no
further contaminant destruction occurs once
sulfate is depleted.

Role of Dispersive Mixing

Under such circumstances, transverse disper-
sion becomes the mechanism that controls the
fate of the remaining, undegraded portion of the

T T

£ = = Benzene
': 06 = Toluene
E 04 1
6‘ 02r =
0
0_03 T T T
- = = Ethylbenzene
— 0.02 | = Xylene .
[=]
g
E, 0.01 | 1
Q
0
4r E\i:ﬁé:lﬁ = Sulfate |
s = = TIC

0 N 1
0.1 : :

7
2 0.05 | :
g
Q

0
0 30 40

50
Dist. (m)

FIGURE 4.6 Simulation of BTEX compound dissolution, transport, and mineraliza-
tion under sulfate-reducing conditions in a one-dimensional domain, The NAPL source
zone is located between 5 and 9 m from the influent end (left). TIC, total inorganic

carbon.
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mass released from the NAPL source. Of course,
the one-dimensional model is unable to capture
this, at least in a direct manner. Thus, a multidi-
mensional transport simulation is necessary.
Using the same “chemical” system, i.e., the
same initial or inflow concentrations (Table 4.4)
and parameters, and a groundwater flow rate
similar to that of the previous case, the next case
(case 7), a two-dimensional simulation, demon-
strates the effect of (horizontal) transverse dis-
persion (Fig. 4.7). A microbial “fringe” devel-
ops downstream of the source zone at locations
where degradable organic substances and elec-
tron acceptor are present simultaneously. A
major problem 1 terms of modeling such cases
arises from the fact that the apparent transverse

Benzene

dispersivity of nonreacting solutes does not nec-
essarily provide a good estimate for bioreactive
transport, as was pointed out, e.g., by Cirpka et
al. (17). Using a streamline-oriented grid, they
investigated the two-dimensional physical
transport in a heterogeneous aquifer coupled to
biodegradation reactions of a single-substrate,
single-electron-acceptor system. They demon-
strated that employing a Fickian macrodisper-
sion model and using transverse dispersivities
(deduced from the second spatial concentration
moment transverse to flow direction) will sig-
nificantly overestimate local-scale mixing and
thus biodegradation rates. When physical trans-
port 1s dominated by advection, i.e., hydrody-
namic dispersion is small compared to advective

Dist. (m)
(ST - -

Toluene
12 -
10
E 8
z °
2 4
)
Sulfate
12
10
g 8
6
8 o4
n
SRB (log—scale)
g
= B
& B
10
12 1 — S
5 10 15 20 25 30 35 40 45
Dist. (m)

FIGURE 4.7 Simulation of BTEX compound dissolution, transport, and mineralization under sulfate-reducing
conditions in a two-dimensional domain. The NAPL source zone is located between 5 and 9 m from the influent
end (left) and has a width of 6 m. Dist., distance.



128 @ PROMMER AND BARRY

transport, these fringes might be very thin, re-
sulting in steep chemical gradients. Resolution
of the physical transport mechanisms in local re-
gions without introducing large numerical er-
rors remains a challenging and computationally
expensive task, in particular for heterogeneous
aquifers.

FIELD-SCALE APPLICATION

A numerical study was carried out for a
BTEX-contaminated field site for which a
wealth of detailed information of hydrochem-
ical and microbial parameters has been inten-
sively recorded. The field site is located in
Perth, Western Australia (e.g., see reference
19), where toluene, ethylbenzene, and xylenes
are mineralized under exclusively sulfate-re-
ducing conditions. The modeling study is de-
scribed in full detail elsewhere (50). Vertical
concentration profiles obtained from multi-
level sampling devices showed only limited
vertical spreading of the long, thin plumes,
indicating that the porous medium is fairly
homogeneous and that transverse dispersion
is rather small. As part of a more detailed
modeling study, the flow, transport, and mix-
ing processes and how they affect the site-
specific degradation behavior were initially
studied in a vertical cross-sectional model
along the (flow) path of the contaminants,
reported here as case 8. The specific scope
of the numerical study was to further under-
stand the site-specific role of the additional
transverse dispersion, caused by the transient
flow field, on reactive processes and, in partic-
ular, to determine whether this mechanism
is likely to enhance natural attenuation signifi-
cantly. In order to quantify the effect of the
transient flow field, comparisons are made
with transport simulations based on a steady-
state condition,

Nonreactive-Single-Species Transport

The schematic vertical cross-sectional model
was developed such that it approximately re-
produces the hydro(geo)logical properties of

the field site (19, 27, 54, 57). For example,
recharge and inflow at the model upstream
boundary were chosen so that the model
would schematcally represent the typical
Perth climate of a 5-month rainy period (re-
charge of 1.5 mm day ') and a 7-month dry
period without recharge. With a hydraulic
conductivity of 22 m day ', the transient-
flow model of the unconfined aquifer does
indeed mimic the observed annual pattern of
the piezometric heads. Water table fluctua-
tions of almost 2 m occur at the influent
boundary in response to the seasonally varying
recharge. In the steady-state model, which
was used for comparison, the recharge and
boundary inflows were averaged over one
annual cycle. For both the transient and the
steady-state simulations, the groundwater flow
field is characterized by increasing flow veloc-
ities towards the effluent boundary. This effect
can be attributed to the nonsloping aquifer
bottom, which, together with the falling
water table (in flow direction), leads to a
notable reduction of the effective thickness
of the aquifer and consequently higher flow
velocities. The computation of the first and
second spatial moments can be used to indi-
cate the location of the plume center and to
quantify the spreading that the plume has
undergone. The plots in Fig. 4.8 show the
computed spatial moments along the flow
direction. Snapshots for the transient plume
behavior from different stages during the an-
nual cycle are plotted in comparison with
the corresponding results from the steady-
state model. It can be seen that independently
of dispersion and sorption the vertically inte-
grated mass decreases along the flow path
despite the absence of degradation reactions.
Of course, in reality no mass has been de-
stroyed. The example shows, rather, that the
interpretation of measured concentrations,
even when integrated in one or two spatial
directions, can be misleading if no flux
weighting is applied. In the absence of flux
weighting, a proper conservation of mass is
not warranted and the disappearance of the
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FIGURE 4.8 First-moment, vertically integrated mass and second moment for advective, nonreactive
transport (a), advective, dispersive, nonreactive transport (b), and advective, dispersive transport with linear
equilibrium sorption (retardation factors R of 1.45 and 1.88, respectively) (c and d). The solution for steady-
state flow (thick lines) and solutions from the transient simulations (thin lines) are indicated. Reprinted

from reference 50 with permission from Elsevier.

vertically integrated concentrations could be
interpreted as biodegradation.

The effect of sorption reactions on the dis-
cussed plume characteristics was investigated by
comparing “no-sorption” simulations with two
scenarios that included linear equilibrium sorp-
tion reactions. In the first scenario, the sorption
corresponds to a retardation factor of R = 1.45
and, in the second, to R = 1.88. The simulation
results shown in Fig. 4.8 demonstrate that the
inclusion of the sorption reactions exceeds a
“buffering” effect on the vertical movement of
the plume that results from seasonal hydraulic
changes. This is indicated by the smaller vari-
ability of the computed first spatial moment
(vertical position of plume center) and the com-
puted second spatial moment (plume spread-
ing). The results also show that for the transverse
dispersivity used in these simulations (0.4 mm),

the accelerating flow has a converging effect for
the plume that is even stronger than the spread-
ing caused by hydrodynamic dispersion. More
details are given elsewhere (50).

Reactive Multicomponent Transport

Based on the previous simulations, in which
degradation reactions were ignored, the influ-
ence of the transient flow field on reactive pro-
cesses was studied in a second step. As discussed
earlier in this chapter, biodegradation of oxidiz-
able contaminants (in this case, BTEX com-
pounds) might occur mainly at contaminant
plume fringes where organic substrates and elec-
tron acceptors (in the present case sulfate) are si-
multancously available. Thus, it might be intui-
tively expected that the vertical movement of
the plume caused by the seasonal water table
fluctuations would facilitate increased mixing of
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reactants and that in response the rates of total
mass removal by biodegradation would in-
crease. This increased mixing of reactants might
be expected when electron donor(s) and elec-
tron acceptor(s) have different sorption charac-
teristics. The reactive multicomponent trans-
port model PHT3D (49) was used to investigate
the magnitude of this effect by comparing the
results from reactive transport simulations that
use a transient flow field with the corresponding
results from simulations based on a steady-state
flow field.

Previous studies (19, 48) identified sulfate
reduction as the dominant mechanism for the
attenuation of BTEX compounds. Oxygen
was observed only in low concentrations in
the proximity of the water table during times
of recharge. There 1t is consumed rapidly,
either directly by organic matter or by
groundwater constituents and/or minerals that
have been reduced previously. Nitrate was
generally not found in this portion of the
aquifer. The water composition used for the
numerical study, which was assumed to be
representative for the uncontaminated portion

of the aquifer, was based on a water sample
taken upstream of the contaminated area. The
recharge water was assumed to have an identi-
cal composition, except that the solution had
been equilibrated with an additional 3.2 mg
of oxygen liter ~'. Two minerals (pyrite and
siderite) that had been identified as reaction
products in a soil core taken within the con-
taminated zone (48) were also included in the
simulation. SRB and toluene (other organic
compounds were excluded) were treated as
kinetic species for which rate expressions were
formulated on the basis of the concepts dis-
cussed earlier in this chapter.

Contamination Source

The investigation of core material from the con-
tamination source zone showed that residual
NAPLs were distributed over a 1- to 1.5-m-
thick zone below the water table (19). The mea-
surements of dissolved concentrations from a
nearby multilevel sampling device indicated
that the location and vertical extent of the zone
from which elevated concentrations of BTEX
compounds dissolve would largely follow the
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FIGURE 4.9 Contour plots for toluene, sulfate, and SR B for a snapshot from the transient simulations (concen-
trations are given in moles per liter) (after the work of Prommer et al. [50]).



4. MODELING BIOREMEDIATION OF CONTAMINATED GROUNDWATER W 131

— no sorption
18 ¢ - ; : — R=145

-~ R=1.R§

trans

08

Mass /Mass

0.6

04 F

02

FIGURE 4.10 Simulated total mass (con-
centrations integrated over the model domain)

0 " i
0 500 1000
Time {days)

movement of the water table. However, the
lower portion of this NAPL dissolution zone ap-
peared to move somewhat more slowly than the
water table itself at times of a rising water table.
The latter effect was not considered in the nu-
merical model study. Instead, the vertically
moving NAPL dissolution zone was modeled to
occur from a defined, constant thickness below
the moving water table.

Steady-State versus Transient
Simulations

The reactive transport simulations reproduce
the observed thin toluene plumes and their ap-
proximate length, which is limited by the mass
removal through biodegradation. The results
show the observed limited vertical extent of the
sulfate-depleted zone, confirming that the
transverse dispersivity at this site is small. The
simulations illustrate that the activity of the bac-
teria, i.e., their highest concentrations, occurs
mainly in the vicinity of the contamination
source and, further downstream, at the plume
fringes where the presence of sulfate and toluene
overlaps. The seasonally changing flow and, in
particular, the “moving” contaminant source
lead to pronounced seasonal vanabihity of con-
taminant dissolution and its flow path and bio-
geochemical reaction rates. A snapshot from
those transient simulations is shown in Fig. 4.9
for toluene, sulfate, and SRB concentrations.

of toluene during the transient (trans) simula-
1500 tions. Reprinted from reference 50 with per-
mission from Elsevier.

The local (integrated) mass of dissolved toluene
in the model varies between 60 and 160% of the
corresponding steady-state mass, as can be seen
in Fig. 4.10. The plot also identifies the effect
of toluene sorption, which reduces the seasonal
variability of the total mass. [t can be seen that on
average, the total mass decreases with increasing

TABLE 4.5 Initial concentrations of aqueous
components, minerals, and microbes in the
uncontaminated aquifer used in the field-scale natural
attenuation simulation (case 8)

Component or bacteria Concn (mol/liter)

Aqueous components?

01 [3) | RSPt 01 |
SOV 7.84 X 104
T 0.0

Felll s nmmemimmapaias o 6.65 X 10-5
Fe(lll) oot 2,14 X0 10712
LI s i R R e 7.95 X 10-3
O O 841 X 104
L R R L e 644 X 103
MIE oot e 5.66 X 104
TNA oo 524 X 103
s o G R R 2,59 X 10—+

Minerals or bacteria
Poyriier s s sngausamn

Siderite . o
SEB . e 1.00 X 10-#8

*pH, 5.06; pe, 1.21.
" Values in parentheses indicate valence state.
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sorption. This shows that the modeled toluene
sorption indeed causes a notable chromato-
graphic effect by slowing down the vertical
movement of the toluene plume relative to the
somewhat faster vertical movement of the sul-
fate-depleted zone. The effectleads to enhanced
mixing between toluene and sulfate-containing
water. If toluene sorption is excluded, the over-
all influence of the seasonally changing flow on

mass removal by biodegradation remains rather
small.

MODELING OF ENHANCED
BIOREMEDIATION

As stated above, very often the supply of elec-
tron acceptors is the critical factor for natural
attenuation, i.e., the length of a plume. In such
cases, the addition of electron acceptors, in
many cases together with other potentially
growth-limiting substances, might be used as a
means to enhance and accelerate naturally oc-

curring degradation processes. However, the
choice among electron acceptors is not neces-
sarily straightforward, as discussed, e.g., by
Kinzelbach et al. (36). Oxygen has the advan-
tage of having the highest molecular energy
yield. Unfortunately, its low solubility in water
is a hmiting factor for the transfer of oxidation
capacity to an aquifer. Sulfate has a higher solu-
bility but is accompanied by a sometimes unde-
sired hydrogen sulfide production. Further-
more, sulfate reduction might not be able to
degrade efficiently more recalcitrant oxidizable
organic substances. In terms of modeling en-
hanced remediation processes, the two major
challenges are:

- choice of reactive processes to be included
in a simulation, and

- accurate representation of the local-scale
mixing processes that mix the injected water
with the contaminated water.

TABLE 4.6 Initial concentrations of aqueous components, minerals, and bacteria of the initially contaminated
aquifer and of the oxygenated water that is injected to enhance remediation

Conen (mol/liter)
in case Ya (primary
reactions only)

Aqueous
component, mineral,

Concen (mol/liter) in
case 9b (primary and
secondary reactions)”

or bacterial group

Cmmnl Cmﬂow Cimtia] Cmr]uw
Toluene 3 X 10-5 0 3 X 10-5 0
N(5) —F — 0.0 5.0 X 104
MN(3) — — 0.0 0.0
N(() — — 5.0 X 10—+ 0.0
N(—3) — — 1.10 X 10-¢6 0.0
O/(0) 0.0 6.32 X 104 0.0 6.32 X 10—+
S(VI) — — 5.26 X 10—+ 5.0 %X 10—+
S(-11I) — — 5.07 X 10-1 0.0
Fe(I) — — 2.58 X 10-¢ 0.0
Fe(1II) — — 348 X 10-13 1.79 X 10-12
C(IV) — — 319 X 10-3 1.70 % 10-4
Ca — —_ 1.90 x 10-3 1.43 X 102
Na — — 4.35 X 10-4 4,35 X% 10—+
Cl — — 282 X 10—+ 2.82 X 104
Pyrite — — 8.00 X 10-3 —
Goethite - — 0 —
Aerobes 1.0 % 10-# === 1.0 % 10-8 —

+pH, 7.32; pe (measure of electron activity in an aqueous solution), —3.16,

b —, not considered in simulation.
¢ Concentrations given in number of organisms per milliliter.



4. MODELING BIOREMEDIATION OF CONTAMINATED GROUNDWATER B 133

In order to illustrate the first point, 1e.,
the importance of choosing the correct con-
ceptual model, we set up a simple example
of enhanced remediation via pulsed injection
of oxygenated water into an anaerobic, het-
erogeneous, toluene-contaminated
aquifer (case 9) and compare the results for

initally

two sets of reactions. In the first case, we
consider only the (primary) biodegradation
reaction, here the degradation of toluene
under aerobic conditions. To model this, the
reactions include only toluene, oxygen, and
aerobic degraders. In contrast, in the second
modeling approach, we additionally describe
the composition of the groundwater and of
major minerals in more detail and thus define
the oxidation state of the aquifer (Tables 4.5

and 4.6). In this example, we include the
presence of reduced aqueous species and of
pyrite (FeS;). As a consequence, oxygen that
is injected to enhance the breakdown of the
organic contaminants is partially diverted to
other oxygen-consuming processes, i.e., the
reoxidation of pyrite and of ammonia. As
shown, e.g., by the biogeochemical modeling
exercise of Thullner and Schiifer (58), such
a diversion to minerals might consume a large
fraction of the oxidation capacity that is added
by the remediation scheme. In this case, it
was estimated that only 2% of the oxygen
mass added was consumed by the contami-
nants, whereas 56% of the oxygen injected
was diverted to pyrite oxidation. Figure 4.11
shows a comparison of these two reaction

Oxygen (primary biodegradation reactions only)

g
g
-]
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Oxygen (primary biodegradation reactions + secondary reactions
g
4
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’ o S0 100 150 200 150
Time (days)
FIGURE 4.11 Simulation of enhanced remediatnon of toluene by injection of oxygenated water, showing

oxygen concentration distribution when primary reactions only (above) and primary and secondary oxygen-

consuming reactions (middle) are considered.
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FIGURE 4.12 Simulation of enhanced remediation of toluene by injection of oxygenated water, showing
toluene concentration distribution when only primary reactions (top) and both primary and secondary reactions

(middle) are considered.

models. The figure shows the oxygen concen-
tration 200 days after the beginning of the
remediation and the temporal development
of the mtegrated oxygen concentration, i.e.,
the total mass of oxygen in the model domain
versus time. The corresponding toluene con-
centrations are shown in Fig. 4.12, where the
large difference in the amount of toluene mass
that 15 degraded within the model boundaries
15 apparent. Confirming the findings of our
simplified case, Eckert and Appelo (21) re-
ported the results from a BTEX-contaminated
site in Germany where KNO, injection was
used for enhanced remediation. The associ-
ated geochemical transport model study also
highlights that a significant portion of the

injected oxidation capacity was consumed by
sulfide minerals. The fraction of the injected
oxidants that is lost to untargeted reactions
depends of course on the reaction kinetics
(rates) of the competing reactions. Some
knowledge regarding the reactivity of reduced
sediments has been developed in studies such
as that presented by Hartog et al. (31, 32),
but it is far from complete.

CONCLUDING REMARKS

In this chapter, we have introduced some of
the key concepts that might play a role for the
use of numerical modeling in the context of
bioremediation. Emphasis was put on review-
ing how the underlying chemical and physical
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processes are translated into a coupled frame-
work that simultaneously deals with both as-
pects. The theory and examples that we dis-
cussed here were confined to problems in the
water-saturated zone, where biodegradation
modeling probably finds its major applications.
For simplicity, we have also focused the discus-
sions on one particular contaminant class (oxi-
dizable organic compounds). However, topics
where modeling of transport in combination
with microbially mediated reactions has also
been applied include, for example:

- biodegradation modeling in the unsaturated
zone,

- biodegradation of NAPLs in combination
with multiphase transport,

- in situ metal precipitation by injection of
nontoxic degradable organic substances, and

« biodegradation of chlorinated hydrocar-
bons.

All of these problems have in common the
fact that they integrate interdisciplinary knowl-
edge developed by microbiologists, geochem-
15ts, hydrogeologists, mathematicians, and en-
gineers. Of course, a key factor for the
successful development and application of such
biodegradation models is always to find the
necessary balance of process detail for each of
the physical, chemical, or microbial processes
that are considered. Therefore, it is important
to have toolbox-like models at hand, so that
additional process detail can be quickly incor-
porated (or redundant details can be elimi-
nated) and to allow a quick adjustment of simu-
lation tools to evolutionary changes of
conceptual models. In all cases, the nght bal-
ance between the complexity of models and
the data that are available to underpin 1ts use
must also be found.
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