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INTRODUCTION

Estuarine ecosystems are transition zones where
fresh and marine waters meet. The different physi-
cal, chemical and biological characteristics of the 2
water bodies form a dynamic environment where
water column stratification (Dyer 1973) and intense
elemental cycling (Nedwell et al. 1999) occur. Estuar-
ies are regarded as important natural filters of the
land-derived, riverine load of nutrients, sediment
and organic matter on its way to the open sea (Ned-
well et al. 1999, Dürr et al. 2011). A significant part of
this load is processed in the upper sediments, which

thus play a key role in estuarine bio geochemical ele-
ment cycling (Jørgensen & Sørensen 1985, Jørgensen
& Revsbech 1989).

Nitrate (NO3
−) is abundant in many river waters. It

is primarily anthropogenic in origin due to sewage
waters and its extensive use as a fertilizer in agri -
culture within river catchment areas (Nixon 1995,
Howarth et al. 1996). Wash-out of excess NO3

− carries
the nutrient into ground, river and eventually estuar-
ine waters, where it frequently leads to eutrophica-
tion (Nixon 1995) with far-reaching consequences for
the ecosystem, such as oxygen (O2) deficiency of bot-
tom waters (Diaz & Rosenberg 2008). Nitrogen (N) is

© The authors 2017. Open Access under Creative Commons by
Attribution Licence. Use, distribution and reproduction are un -
restricted. Authors and original publication must be credited. 

Publisher: Inter-Research · www.int-res.com

*Corresponding author: dana.hellemann@helsinki.fi

Denitrification in an oligotrophic estuary: 
a delayed sink for riverine nitrate

Dana Hellemann1,*, Petra Tallberg1, Ines Bartl2, Maren Voss2, Susanna Hietanen1

1Department of Environmental Sciences, University of Helsinki, 00014 Helsinki, Finland
2Department of Biological Oceanography, Leibniz Institute for Baltic Sea Research Warnemünde, 18119 Rostock, Germany

ABSTRACT: Estuaries are often seen as natural filters of riverine nitrate, but knowledge of this
nitrogen sink in oligotrophic systems is limited. We measured spring and summer dinitrogen pro-
duction (denitrification, anammox) in muddy and non-permeable sandy sediments of an oligotro-
phic estuary in the northern Baltic Sea, to estimate its function in mitigating the riverine nitrate
load. Both sediment types had similar denitrification rates, and no anammox was detected. In
spring at high nitrate loading, denitrification was limited by likely low availability of labile organic
carbon. In summer, the average denitrification rate was ~138 μmol N m−2 d−1. The corresponding
estuarine nitrogen removal for August was ~1.2 t, of which ~93% was removed by coupled nitrifi-
cation−denitrification. Particulate matter in the estuary was mainly phytoplankton derived (>70%
in surface waters) and likely based on the riverine nitrate which was not removed by direct deni-
trification due to water column stratification. Subsequently settling particles served as a link be -
tween the otherwise uncoupled nitrate in surface waters and benthic nitrogen removal. We sug-
gest that the riverine nitrate brought into the oligotrophic estuary during the spring flood is
gradually, and with a time delay, removed by benthic denitrification after being temporarily
‘trapped’ in phytoplankton particulate matter. The oligotrophic system is not likely to face eutrophi-
cation from increasing nitrogen loading due to phosphorus limitation. In response, coupled nitrifi-
cation−denitrification rates are likely to stay constant, which might increase the future export of
nitrate to the open sea and decrease the estuary’s function as a nitrogen sink relative to the load.
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removed permanently from aquatic ecosystems as
dinitrogen (N2) during the bacterial processes deni-
trification (NO3

− → NO2
− → NO → N2O → N2; Zumft

1997) and anaerobic ammonium (NH4
+) oxidation

(anammox: NH4
+ + NO2

− → N2; Mulder et al. 1995,
van de Graaf et al. 1995). In shallow coastal areas,
such as estuaries, the contribution of denitrification
to total N2 production is usually more significant than
that of anammox, which is more important in deeper
areas (Risgaard-Petersen et al. 2004, Dalsgaard et al.
2005). This depth dependency mainly follows the
availability of labile organic carbon (OC), which is
usually higher in coastal and estuarine systems and
thus favours fast-growing, heterotrophic denitrifica-
tion bacteria over slow-growing, autotrophic anam-
mox bacteria (Risgaard-Petersen et al. 2004, Engström
et al. 2005).

Estuarine sediments are often efficient in removing
riverine NO3

− via denitrification (Seitzinger 1988,
Nixon et al. 1996, Trimmer et al. 1998, Bonaglia et al.
2014) due to the abundant river discharge of the sub-
strates NO3

− and OC. At the same time, high N load-
ing can increase the production of nitrous oxide
(N2O), a potent greenhouse gas (Seitzinger & Nixon
1985, Middelburg et al. 1995). However, various
estuaries also show low removal rates relative to the
load entering the system (Nielsen et al. 1995, Silven-
noinen et al. 2007, Hietanen & Kuparinen 2008, Jäntti
et al. 2011, Deek et al. 2013), and estuarine N2O pro-
duction in response to N loading can vary strongly
over space and time (Middelburg et al. 1995).

Within the sediment, denitrification takes place at
the oxic−anoxic interface (Christensen et al. 1989),
where NO3

− or nitrite (NO2
−) (NO3

− + NO2
−, in the

 following NOx
−) from the water column or formed

within the oxic surface sediment by nitrification
(NH4

+ → NO2
− → NO3

−; Prosser 1989) diffuses into
anoxic layers. The application of measurement meth-
ods that are based on the diffusion of a tracer along
vertical redox zones, such as the isotope pairing tech-
nique (IPT, Nielsen 1992), has led to a high number of
denitrification measurements in fine-grained, cohe-
sive, muddy sediments (e.g. Rysgaard et al. 1993,
Dong et al. 2000, Hietanen & Kuparinen 2008, Jäntti
et al. 2011, Bonaglia et al. 2014). Measurements in
sandy sediments are rare, although ~50% of the inner
continental shelf is covered by sand (Hall 2002).
Sands can be highly permeable, which facilitates
advective pore water flow through the sediment
(Thibodeaux & Boyle 1987, Huettel & Gust 1992),
increasing turnover rates and leading to, for exam-
ple, low OC content (Boudreau et al. 2001). Advec-
tive pore water flow through permeable sands cre-

ates complex vertical and horizontal redox zones
and thereby complicates measurement methodology
(Huettel et al. 2014). However, not all sandy sedi-
ments are permeable enough to enable pore water
flow (Glud et al. 1996, Forster et al. 2003); in such
non-permeable sands, the application of standard
diffusive methods for denitrification measurements
is possible.

The Baltic Sea in northern Europe is a semi-
enclosed, brackish sea that receives substantial river-
ine inputs from a catchment area populated by ~85
million people and intensively used for agriculture
and industry. Most rivers carry a significant load
of nutrients and organic matter, leading to a clear
 dominance of eutrophic over oligotrophic estuaries.
The few oligotrophic estuaries are mainly located in
the Gulf of Bothnia, northern Baltic Sea (HELCOM
2014). Their trophic state reflects a reference state of
the environment prior to major anthropogenic eu -
trophication, which in the Baltic Sea is the period
before the 1950s (Andersen et al. 2004). For example,
the average total N (TN) concentration of the Swedish
Öre River, which discharges into one of the few oli-
gotrophic estuaries in the Baltic Sea, was ~25 μM in
2015 (http://miljodata.slu.se/mvm/). This is within
the TN range (19−58 μM) given as the reference con-
ditions for a pre-anthropogenic state for the Danish
estuaries Odense, Randers and Roskilde Fjord
(Andersen et al. 2004). However, even in the Öre
Estuary, both the TN and NOx

− loads have increased
significantly since the late 1960s (http://miljodata.
slu. se/ mvm/). For the period 1994−2006, the in -
creased N load in the estuary has been explained by
increased freshwater discharge, which in combina-
tion with the phosphorus (P) limitation of the system
led to a decrease in primary production and a shift of
the system from autotrophy towards heterotrophy
(Wikner & Andersson 2012). As global warming is
predicted to increase precipitation in high latitudes
(Dore 2005) and consequently also freshwater dis-
charge and nutrient loading (Wikner & Andersson
2012), the fate of riverine NOx

− in oligotrophic estuar-
ies becomes unclear. An analysis of inorganic nutri-
ents in river, estuarine and open waters indicated
that northern Baltic oligotrophic estuaries do not nec-
essarily act as sinks for riverine nutrients (Humborg
et al. 2003), contrary to the general assumptions
regarding estuaries.

To date, only a few studies have addressed N turn-
over in oligotrophic estuaries, either globally (e.g.
Seitzinger 1987, Eyre et al. 2011, Gongol & Savage
2016) or within the Baltic Sea (Stockenberg & John-
stone 1997, Bonaglia et al. 2017). We measured N2
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and N2O production in sandy and muddy sediments
of the Öre Estuary to estimate the estuarine N
removal, to compare the N removal between sedi-
ment types, and to determine the efficiency of an oli-
gotrophic estuary as a sink for riverine NOx

− under
conditions of high and low river outflow.

MATERIALS AND METHODS

Study area and sampling

The Öre Estuary on the Swedish coast of the Quark
Strait between the Bothnian Sea and Bothnian Bay,
northern Baltic Sea (Fig. 1), is a semi-enclosed, non-
tidal brackish water body of ~70 km2, with a total vol-
ume of ~0.7 km3 and a mean depth of 10 m (SMHI
2003), fed by the Öre River. To the east it is bounded
by a dense archipelago; to the south its surface wa -
ters are open to the Bothnian Sea, while its deeper
waters are confined by a threshold at 30 m depth,
creating a natural border (Brydsten 1992). Water cir-
culation in the estuary is wind driven and in spring
additionally fluvial driven (Brydsten & Jansson 1989).
Fluvial currents are strongest during the spring flood
(April, May), which results from the snow melt and is

a pulse event in the annual discharge regime (maxi-
mum river discharge: 500 m3 s−1, Malmgren & Bryd-
sten 1992). In the year of this study (2015), the first
peak discharge was on 24−25 April (151 m3 s−1), fol-
lowed by a second peak on 11−13 May (186 m3 s−1)
(Fig. 2). The mean annual discharge is 36 m3 s−1

(2004−2014; http://vattenwebb.smhi.se/ station/). The
flood plume can extend several kilo metres into the
estuary and carries 70−80% of the annual river load
of suspended matter (Brydsten & Jansson 1989). In
2015, the load of NOx

− related to the spring flood
(April, May) was 24 t, while the summer load (June−
August) at normal river discharge was only 1.8 t in
total. The average annual load of NOx

− is ~54 t yr−1

(1967−2014, http://miljodata.slu.se/ mvm/). Par ticle
retention time is <1 d in the plume but ≥1 yr in the
estuary, and particle transport to the open sea only
takes place via repeated cycles of resuspension−
redeposition events (Brydsten & Jansson 1989). About
30% of the estuarine surface sediments are soft, con-
sisting of 10% fine sand and 90% clay and silt (calcu-
lated from marine surface substrate data 1:100 000 ©
Geological Survey of Sweden, ESRI ArcGIS, ArcMap
10.3.1).

Samples for the determination of estuarine N2

 production were collected on 20−24 April and 3−7
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Fig. 1. The Öre Estuary on the Swedish coast of the Quark Strait, between the Bothnian Sea and Bothnian Bay, northern Baltic
Sea, with the sampling sites shown. The Öre River mouth is indicated with an asterisk. Figure drawn using Ocean Data View 

(Schlitzer 2015)
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August 2015 (Table 1), representing periods of high
and low river discharge, respectively, and correspon-
ding material load into the system (Fig. 2). Samples
were collected onboard RV ‘Lotty’ (Umeå Marine Sci-
ences Centre) from muddy and sandy bottoms along
a transect approximately following the Öre River
plume towards the open sea (except site N8, located
north of the transect, Fig. 1). Water column hydro-
graphic parameters and photosynthetically active
radiation (PAR) were measured with a CTD probe
(April: SBE 19plus, August: SBE 19plus V2, Sea-Bird
Scientific) equipped with a PAR sensor (QSP-2350,
Biospherical Instruments). Bottom water dissolved O2

was measured with Winkler titration (April) and an
O2 probe (August) (Seaguard CTD, Aanderaa).
Water samples for the determination of particulate
OC and N (POC, PON) and natural abundance of sta-
ble carbon isotopes (δ13C-POC) were taken with a
Niskin bottle from surface, mid and bottom water
layers at 8 (April) or 11 (August) stations along the
transect as well as from the river. Sediment samples
were collected with a Gemini twin corer (mud) (core
� 8 cm, length 80 cm) and a HAPS bottom corer
(sand) (core � 14 cm, length 30 cm; KC Denmark)
with a vibrator unit attached (power 180 W, fre-
quency 3000 Hz, vibration time 10−15 s). Bottom
water NOx

− concentrations were measured from a
sample withdrawn ~5 cm above the sediment surface
of 1 core, filtered (0.2 μm) and frozen until analysis
with a nutrient auto analyser (QuikChem FIA+ 8000
Series, detection limit: 0.143 μM; Lachat Instru-
ments). Grain size distribution (sandy sites only) and
organic content estimated as loss on ignition (LOI)
were analysed from surface sediment slices (mud:
0−1 cm; sand: 0−1, 1−2, 2−3 cm in April, 0−0.5,
0.5−1.0, 1.0−1.5 cm in August). Sand permeability

(Km) was measured from surface sediments (homoge-
neous top layer of ~0−1 cm), which were collected
from several replicate cores and pooled to a final vol-
ume of ~1 l. Samples for denitrification rate measure-
ments (n = 12 site−1), O2 penetration depth (OPD, n =
3 site−1) and porosity (n = 3 site−1) were collected in
acrylic cores (� 2.3 cm, length 20 cm), which were
pushed gently into the sediment so that ~1/3 (mud) or
~1/2 (sand) of each core was filled with sediment and
the rest with overlying water. Cores were closed
without headspace. All samples were stored dark
and cold and transported to the laboratory within 2 h
of sampling.

Sediment parameters

Porosity was calculated from the sediment content
of intact cores (20−40 cm3) via weight loss in drying
(105°C, overnight) according to Burdige (2006). LOI
(weight%) was calculated from surface slices via
weight loss of dried sediment during combustion
(550°C, 4 h). Sand sediments were classified accord-
ing to Wentworth (1922) with the adjustment of sub-
dividing the class ‘sand’ into the grain size classes
>1.0, >0.5, >0.25, >0.125 and >0.063 mm after
wet sieving (test sieves DIN ISO 3310-1, Haver &
Boecker). Grain size dominances (%) were analysed
per depth interval, but due to vertical homogeneity,
results were pooled to determine the average surface
sediment class. Km (m2) was measured with a perme-
ameter cell (Humboldt) using the constant head
method for laminar flow of water through granular
soil according to manufacturer’s instructions. Constant
water flow through the sediment column (700 cm3)
was ensured before first readings of the volumetric
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Fig. 2. Öre River discharge (m3 s−1; line) and NOx
− (combined nitrate + nitrite) concentration (μM; triangles) of river surface

 waters in 2015 (measured at station ‘Torrböle 2’, http://vattenwebb.smhi.se/station/, http://miljodata.slu.se/mvm/). Sampling 
periods in April and August are shaded. Dates are given as dd.mm
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flow rate were taken. The influence of salt on water
viscosity and density was negligible due to low salin-
ity. Measurements were done at 3 hydraulic head
heights with 3 replicate readings. Sieved sand of the
size classes 0.5−1.0 mm (coarse), 0.25−0.5 mm
(medium) and 0.125−0.25 mm (fine) was used as
standard. The coefficient of permeability (hydraulic
conductivity, k) was calculated with Eq. (1), derived
from Darcy’s Law:

(1)

where l = length of sediment column (cm), Q = out-
flow volume (ml), A = sediment area exposed to flow
(cm2), h = hydraulic head (cm), t = time (s). k was
averaged for each height and sample, corrected for
temperature effects on viscosity and converted to
permeability (Km) (Eq. 2):

(2)

where μ = dynamic viscosity at bottom water temper-
ature and salinity (Pa·s), ρ = density at bottom water
temperature and salinity (kg m−3), g = gravitational
acceleration (9.81 m s−2). At Km ≥ 2.5 × 10−12 m2,
advective pore water flow can significantly affect sedi -
ment biogeochemistry, while at Km < 2.5 × 10−12 m2,
such effects are negligible (Forster et al. 2003).

Sediment oxygen concentration profiles

Sediment O2 profiles were measured at in situ tem-
perature within 2 h of sampling using Clark-type
 mi cro electrodes (100 μm tip, vertical resolution
250 μm; OX-100, Unisense) connected to a microsen-
sor am plifier (4-Channel Multimeter, Unisense). For
each site, electrodes were calibrated before profiling
with a 2-point calibration at corresponding salinity
and temperature (100%: O2 saturated site water, 0%:
2 g sodium ascorbate in 100 ml 0.1 M sodium hydrox-
ide). Profiling was done either manually (April, 1 pro-
file core−1) or with an automated micromanipulator
(August, 3 profiles core−1), both without stirring ap -
plied. Subsequently, samples were incubated in the
same way as the denitrification samples (see ‘denitri-
fication measurements’). Concentration profiles were
measured again at the end of the incubation to exam-
ine whether the incubation conditions had changed
the O2 profiles and thus the natural conditions. Sedi-
ment OPD was analysed from each profile with the
sediment surface identified from a characteristic break
in the profile curve, and averaged per site (Table 1).
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Denitrification measurements

N2 and N2O production rates were measured using
the revised IPT (r-IPT; Risgaard-Petersen et al. 2003)
that accounts for the potential contribution of the
anammox process to total N2 production. Samples in
acrylic cores were enriched with K15NO3 (98% 15N,
Cambridge Isotope Laboratories) in a concentration
series to final concentrations of 30, 60, 90 and 120 μM
in the overlying water (n = 3 per concentration,
Fn range: 86−99% in April, 94−99% in August), and
incubated in the dark at in situ temperature under
gentle mixing from magnetic stirring bars for 5 h
(April) or 4 h (August). Incubations were terminated
by mixing the sediment with the overlying water.
After brief sediment settling, 12 ml subsamples were
placed into gas-tight glass vials (Exetainer, Labco
Scientific) with 0.5 ml ZnCl2 (100% w/v). The isotopic
compositions of N2 and N2O were analysed with a
continuous flow isotope ratio mass spectrometer (CF-
IRMS IsoPrime 100, Isoprime; standard gases: N2 >
99.999% purity, carbon dioxide [CO2] as reference
gas for N2O > 99.995% purity; AGA) coupled to a
preconcentrator system (TraceGas, Isoprime) and an
automated liquid handler (GX-271, Gilson) at the
Department of Environmental Sciences, University of
Jyväskylä, Finland.

According to the r-IPT, a contribution of anammox
to the measured N2 production is indicated in a posi-
tive correlation of the production of 14N-N2 (calcu-
lated with the classical IPT, Nielsen 1992) with the
added 15NO3

− concentrations. In such a case, the pro-
duction of N2 has to be distinguished between anam-
mox and denitrification, and calculations follow Ris-
gaard-Petersen et al. (2003). If the production of
14N-N2 does not show a positive correlation with the
added 15NO3

− concentrations, denitrification is as -
sumed to be the only process of N2 production (Ris-
gaard-Petersen et al. 2003), and calculations follow
Nielsen (1992). In both cases, the production of 15N-
N2 must show a linear dependency with the added
15NO3

− concentrations to fulfil the assumption of
NO3

− limitation of the incubated samples, which is a
prerequisite of the valid application of both IPT and
r-IPT. All dependencies were tested with a re -
gression analysis (significance level p < 0.05).

Following this approach, no contribution of anam-
mox to N2 production was found in any of our
 samples. Hence, N2 production rates from denitrifica-
tion were determined according to the classical IPT
(Nielsen 1992): denitrification of the added 15NO3

−

(termed D15) was calculated from the production
rates of 29N2, 30N2 and 45N2O, 46N2O. Subsequently,

denitrification of 14NO3
− (D14, the genuine N2 pro-

duction) was calculated assuming random pairing of
the isotopic species 15NO3

− and 14NO3
− and thus bino-

mial distribution of isotopic N2 production. The deni-
trification rates of NO3

− from the bottom water (Dw)
and from sediment nitrification (Dn, coupled nitrifica -
tion−denitrification) were calculated from D14 and
the ratio of 15NO3

− to 14NO3
− in the water phase. The

percentage of steady state denitrification of the added
15NO3

−, reached within the applied incubation time,
was estimated according to Dalsgaard et al. (2000)
using average measured OPD and a diffusion coeffi-
cient of NO3

− in sediment (Ds), calculated from meas-
ured porosity and a diffusion coefficient of NO3

− in
water (D0) at bottom water temperature (Schulz 2005).

Water column particulate matter, natural carbon
isotope abundance and source attribution

Water samples (250−2000 ml) were filtered over
pre-combusted (3 h, 450°C) glass fibre filters (GF/F
Whatman, nominal pore size 0.7 μm), which were im-
mediately frozen (−20°C). For the analysis of the ele-
mental (C, N) and isotopic (13C) composition of the
suspended particulate matter, filters were dried (60°C
overnight), packed into tin cups and measured with
an isotopic ratio mass spectrometer (IRMS Delta V
Advantage) connected to an elemental analyser (Flash
2000) via an open split interface (ConFlo IV, all Thermo
Fisher Scientific; reference gases: N2 > 99.999% pu-
rity, CO2 > 99.995% purity, Linde, calibrated against
standards from the International Atomic Energy
Agency [IAEA] and National Bureau of Standards
[NBS]: IAEA N1, N2, N3, C3, C6 and NBS 22). Meas-
urements were calibrated against acetanilide and
peptone (both Merck), and mea surement precision
was ±0.2‰. The natural abundance (δ) of 13C-POC
(‰) was calculated according to Eq. (3):

(3)

where R = ratio of heavy to light isotope of sample
(Rsample) and standards (Rstandard).

To identify the source of particulate organic matter
(POM) in the estuarine water column, we plotted the
particulate N:C ratio against δ13C-POC, following
Goñi et al. (2003; see Fig. 7). End-member values of
the POM source (terrestrial C3 plants [N:C ratio of
0.02−0.05], marine phytoplankton, riverine and estu-
arine phytoplankton [N:C ratio of 0.13−0.17]) were
based on published compositional ranges given by
Goñi et al. (2003). We used a 2-component mixing

R

R( )− ⋅1 1000sample

standard
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model with the end-members ‘terrestrially derived
POM (EMterr)’ and ‘phytoplankton derived POM
(EMphyto)’ for a first-order quantification of the rela-
tive contribution of each end-member to the total
estuarine particulate matter, following Jilbert et al.
(2017), as shown in Eqs. (4) & (5):

(4)

% POMterr = 100 − % POMphyt (5)

where N/CEM-terr = 0.05 and N/CEM-phyt = 0.13 are the
outer limits of the compositional range of each end-
member. The model assumes that only 2 sources of
POM exist in the system and that their specific N:C
ratios do not change over time.

Statistical analysis

Data were tested for normality (Shapiro-Wilk’s test)
and homogeneity of variances (Levene’s test). A cor-
relation analysis was done between all parameters,
and a Bonferroni correction for multiple comparisons
was applied. The effects of the factors ‘season (April,
August)’ and ‘sediment type (mud, sand)’ on the re -
sponse variables ‘bottom water NOx

−’, ‘porosity’, ‘LOI’
and ‘OPD’ were tested with a repeated measures
analysis of variance. This was done with the R soft-

ware (version 3.1.1; R Core Team 2014) by fitting a
linear mixed model (Eq. 6) that accounted for the
interdependencies of the sites being measured twice
(in April and August), using the lme4 package:

Model_i: Response_i ~ sediment · x_i + season · x_i 
+ sediment:season · x_i + random(site) (6)

The response variable ‘denitrification rate’ was
only analysed for an effect of the factor ‘sediment
type’ with an analysis of variance (Eq. 7), as the sea-
sonality could not be taken into account in these data
(see ‘Results’):

ANOVA_model: Denitrification_i ~ sediment · x_i
+ site · x_i + error (7)

In all analyses, the significance level was p < 0.05.

RESULTS

The water column was stratified with a shallow,
low-salinity surface layer both in April and August
2015. As a consequence, the surface river plume did
not mix down to the sediments (Fig. 3). All sampled
sediments were aphotic with bottom water PAR <0.1%
of surface PAR. Bottom water temperature, dissolved
O2 and NOx

− concentrations differed be tween sea-
sons, but the estuary did not experience hypoxia dur-
ing the sampling periods (Table 1).

%POM
( / / )

( / / )
100phyt

sample EM-terr

EM-phyt EM-terr

N C N C

N C N C
=

−
−

×
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Fig. 3. (a,b) Water column salinity and (c,d) temperature in (a,c) April and (b,d) August along a transect from the Öre River
mouth (distance 0) towards the estuary end, with the sampled sediment sites shown. Contour lines of salinity and temperature
are extrapolated from 14 profiles along the transect (weighted-average gridding, quality limit 3) using Ocean Data View 

(Schlitzer 2015). Bottom topography estimated from bottom water depth
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Sediment characteristics

The sandy sediments were composed of poorly
sorted very fine to fine sands with a large fraction of
particles <0.063 mm. At sampling site N14, the only
sandy site sampled in both seasons, the share of the
smallest fractions (<0.063 mm, <0.125 mm) was 60%
higher in the top 1 cm in April (silty very fine sand)
than in August (silty fine sand). All sandy sediments
had a Km <2.5 × 10−12 m2 and were thus classified
as non-permeable, which excludes advective pore
water flow as a transport mechanism of dissolved and
particulate matter. The Km of N11 was not measured
due to technical problems but was assumed to be non-
permeable, as the grain size distribution was very
similar to that of the non-permeable N34. Porosity did
not change significantly between seasons but differed
between sediment types (Table 1). The organic con-
tent measured as LOI differed significantly both be-
tween seasons (April > August) and sediment types
(muddy sediment > sandy sediment), independent of
the site location on the plume transect (Table 1).

Sediment oxygen concentration profiles

Sediment O2 profiles were similar in muddy and
sandy sediments, showing nearly parabolic curves
(Fig. 4) indicative of diffusive mass transport (Revs-
bech et al. 1980a). Sediment OPD was not signifi-
cantly different between sediment types but differed
significantly between seasons (Table 1, Fig. 4). Aver-
age OPD in the sediment cores decreased during the
incubations in April by ~9% (0.7 ± 0.7 [SD] mm over
5 h, n = 13) and in August by ~16% (0.5 ± 1.0 mm
over 4 h, n = 15).

While profiling, the water within the cores was not
stirred and consequently the thickness of the diffu-
sive boundary layer could not be defined; the sedi-
ment surface was identified by a distinct break in the
concentration profile. If OPD had decreased similarly
during the 2 h time delay from sampling to measure-
ment as seen during the incubations (which were,
however, done under continuous stirring), then the in
situ OPD could have been at least 280 μm (April) to
250 μm (August) deeper than reported here. This is
within the resolution used for profiling (250 μm);
hence, the potential error should be negligible.

Denitrification rates

In April, 15N-N2 production rates did not show a
dependency with the added 15NO3

− concentrations
(Fig. 5), indicating that either denitrification was not
NO3

− limited (Nielsen 1992, Risgaard-Petersen et al.
2003) or that the added tracer did not diffuse suffi-
ciently to the denitrifying layer. With this prerequi-
site of IPT not fulfilled, the denitrification rates did
not represent genuine N2 production. Based on the
estimated NO3

− diffusion time, all incubations reached
>65% steady state denitrification of 15NO3

− (N14 >
65%, N7 > 75%, N10 > 80%, NB8 > 90%) within the
applied incubation time, except the incubation of site
N8. According to the numerical model underlying
this calculation (Dalsgaard et al. 2000), >65% steady
state denitrification of 15NO3

− would yield measura-
ble N2 production (D14), while ≥80% steady state
denitrification of 15NO3

− would yield reliable N2 pro-
duction (D14). Consequently, all incubations (except
N8) should have had sufficient tracer diffusing to the
denitrification layer to yield measurable and even
reliable (N10, NB8) N2 production.

In August, 15N-N2 production rates showed a linear
dependency with the added 15NO3

− concentrations
(Fig. 5), fulfilling the requirements of IPT (Nielsen
1992, Risgaard-Petersen et al. 2003). The 14N-N2

 production rates did not correlate with the added
15NO3

− concentrations, indicating that anammox did
not contribute to the measured N2 production, which
was thus 100% from denitrification (Risgaard-Petersen
et al. 2003). All incubations reached ≥80% steady
state denitrification of 15NO3

− during the ap plied
incubation time. The share of N2O produced during
denitrification was ≤1% of total denitrification; hence,
denitrification rates are given as ΣN2+N2O. Denitri-
fication rates differed significantly be tween sites but
did not differ significantly between sediment types,
with mean ± SD rates of 137 ± 45 μmol N m−2 d−1 (n =
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Fig. 4. Examples of oxygen (O2) profiles in muddy (circles;
sampling site NB8) and sandy (triangles; N14) sediments in
April (black symbols) and August (white symbols). Zero line 

indicates the sediment surface
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33) in sandy and 139 ± 50 μmol N m−2 d−1 (n = 32) in
muddy sediments. The main source of NOx

− for deni-
trification in both sediment types was sediment nitri-
fication (Dn = 87−95%, Table 1). Dn correlated sig-
nificantly negatively with particulate C:N ratios of
bottom waters, indicating higher Dn rates at higher N
availability. Dw did not correlate with bottom water
NOx

−, which could be due to the small share of Dw
(5−13%) or the low number of replicates.

Water column particulate matter and natural
carbon isotope abundance

The concentrations of POM in the estuary did not
follow the pattern of seasonal high and low river out-
flow and corresponding matter load (river POC/PON:
154/11 μM in April; 67/6 μM in August); concentra-
tions in estuarine bottom waters were low in both
months (POC/PON: 31/4 μM in April; 28/3 μM in
August, Table 2, Fig. 6). These averages exclude data

from the near-bottom water layer (0−30 cm from the
sediment surface), which in August were en riched in
POC (~200 μM) and PON (~20 μM, Table 2), poten-
tially indicating resuspension from the sediment. In
both seasons, the river water showed typical terres-
trial signals (C:N ratios elevated over 6.5  [Redfield
ratio] and depleted δ13C-POC values), while the estu-
arine waters showed phytoplankton signals (lower
C:N ratios and higher δ13C-POC values, Table 2).
This was confirmed by the results of the end-member
mixing model, which estimated that the river water
carried mostly terrestrially derived POM (71−56%),
whereas the estuarine waters contained mostly phyto-
plankton derived POM (60−95%, Table 2, Fig. 7).
Surprisingly, the riverine influenced estuarine sur-
face waters had only a minor share of terrestrially
derived POM (30%, Table 2, Fig. 7). The relative
contribution of the 2 POM sources changed between
April and August in the river (decrease in terrestrial
signal) and the bottom waters (increase in terrestrial
signal, Table 2). However, the latter is more likely the
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Fig. 5. Examples of production rates (μmol N m−2 d−1) of 15N-N2 (D15; black circles, solid regression line) and 14N-N2 (D14;
white triangles, dashed regression line) at different tracer concentrations (μM 15NO3

−), shown for sites N14 (sandy) and N10
(muddy) in (a,b) April and (c,d) August. In April, D15 did not depend on tracer concentration and thus did not meet the re-
quirements of the isotope pairing technique (IPT; Nielsen 1992) or the revised IPT (r-IPT; Risgaard-Petersen et al. 2003). Note 

the different y-axis scales in April and August
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result of POM degradation than an actual change in
the POM source as the increased C:N ratios at con-
stant δ13C-POC values indicate; such is not taken into
account in the mixing model, which assumes con-
stant C:N ratios.

DISCUSSION

Estuarine sediment characteristics and oxygen

The sandy and muddy sediments of the Öre Estu-
ary clearly had porosity and organic contents charac-

teristic of each sediment type (Jahnke 2004). The
sandy sediments contained a large amount of fine
material, which shifted the main grain size to the fine
end of the sand class (Wentworth 1922). Fine mate-
rial such as silt or organic particles can accumulate in
the open pore space of sand when water flow is not
strong enough to remove it. Such accumulation of
fine material reduces the permeability of the sedi-
ment drastically (Huettel et al. 1996, Forster et al.
2003) and can ultimately exclude advective pore
water flow, leaving diffusion and potentially  bio-
irrigation as the main transport mechanisms of mat-
ter into the sediment. Sandy sediments in the Öre
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Fig. 6. Water column (a,b) particulate organic nitrogen (PON) and (c,d) particulate organic carbon (POC) concentrations (μM)
along a transect through the estuary, including the Öre River, for (a,c) April and (b,d) August. Data are extrapolated from 9
(April) and 11 (August) profiles (weighted-average gridding, quality limit 3, non-linear colour scale) using Ocean Data View 

(Schlitzer 2015). Bottom topography is estimated from bottom water depth

Water source Water column POM Origin of POM
Month POC PON C:N n δ13C-POC Terrestrial Phytoplankton n

(μM) (μM) (‰) (%) (%)

Öre River Apr 153.6  11.2 13.7 1 −29.1 71 29 1
Aug 67.2 5.7 11.7 1 −30.2 56 44 1

Surface layer (E) Apr 42.6 ± 12.0 4.6 ± 1.2 9.3 ± 0.8 12 −26.1 ± 1.6 29 71 9
Aug 36.5 ± 8.7  4.0 ± 0.7 9.1 ± 1.6 16 −26.9 ± 1.0 23 77 16

Mid layer (E) Apr 37.8 ± 8.2  4.4 ± 0.8 8.5 ± 0.5 12 −25.2 ± 1.0 15 85 10
Aug 27.5 ± 6.3  3.2 ± 0.7 8.5 ± 0.8 16 −25.8 ± 1.7 15 85 16

Bottom layer (E) Apr 30.7 ± 8.4  4.0 ± 1.2 7.8 ± 0.5 11 −25.0 ± 1.2 5 95 8
Aug 28.2 ± 1.6  2.9 ± 1.6 9.6 ± 1.3 17 −25.9 ± 1.1 30 70 17

Near bottom Apr 47.5 ± 14.4 4.7 ± 1.4 10.2 ± 0.7  4 −25.7 ± 0.8 40 60 4
layer (E) Aug 198.3 ± 90.8  19.4 ± 9.1  10.3 ± 0.4  6 −26.1 ± 0.4 40 60 6

Table 2. Concentrations of riverine and estuarine (E) water column particulate organic carbon and nitrogen (POC, PON), par-
ticulate C:N ratio, natural abundance of C isotope (δ13C-POC) and origin of particulate organic matter (POM) from the mixed
model (Eqs. 4 & 5) for April and August. Values are averages for each water layer, with standard deviation and number 

of replicates (n)
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Estuary are prone to clogging of pore space due to
the silt- and clay-dominated riverine particle load
(Forsgren & Jansson 1993) and the long particle
retention time within the estuary (>1 yr; Brydsten &
Jansson 1989). The large amount of suspended fine
particles that enters the estuary mainly during the
spring flood (Brydsten & Jansson 1989) was evident
in the 60% higher proportion of fine material at N14
in April than in August. Not surprisingly, all studied
estuarine sandy sediments were non-permeable and
can thus be called cohesive sands.

Sandy sediments commonly have low organic
 content, usually considered a result of fast biogeo-
chemical turnover due to advective pore water flow
(Boudreau et al. 2001, Huettel et al. 2014). As the
studied cohesive sands did not feature advective
pore water flow, their low organic content (≤3%)
might be explained by sorption of organic matter to
minerals. The degree of sorption depends on the
available mineral surface area, which is smaller in
sandy than in muddy sediments and consequently
can lead to a smaller amount of sorbed matter (Mayer
1994a,b, Hedges & Keil 1995, 1999).

The cohesive character of the sandy sediments
could also be seen in the diffusive O2 concentration
profiles, which were nearly identical to those of the
cohesive muddy sediments. Hence, O2 penetrated
both sediment types mainly by molecular diffusion. A
contribution of faunal bio-irrigation to the sedimen-
tary O2 transport was not quantified in this study;
however, only a few O2 concentration profiles (April:
7%, August: 3%) showed signs of bio-irrigation.

The estuarine OPD changed significantly between
seasons, which is typical in coastal sediments (Ras-
mussen & Jørgensen 1992, Glud et al. 2003) and is re-
lated to temperature, organic matter availability and
consequently O2 consumption. The OPD and its sea-
sonal change was the same in both sediment types, in
spite of different organic contents. The high organic
content in the muddy sediments did not result in a
shallower OPD than in the sandy sediments, as the
quantity of organic matter does not necessarily reflect
its quality in terms of lability of the OC compounds
(Trimmer et al. 1998). Generally, autochthonous mate-
rial is considered to be easier to mineralize than
allochthonous material, which contains higher per-
centages of refractory compounds such as lignin or
cellulose (Fenchel et al. 2012). However, unsorbed,
autochthonous and thus labile OC is only a minor
share of the total OC that is available for microbes
(Nedwell 1987). If the high organic content in the
muddy sediments consisted mostly of refractory and
sorbed OC, microbial activity in both sediments might
have been limited by the amount of labile OC, result-
ing in similar O2 consumption and thus OPD.

In both seasons, the OPD in the sediments of the
Öre Estuary reached deeper than in more eutrophic
estuarine sediments of both the southern (e.g. Aar -
hus Bay, Danish coast, Rasmussen & Jørgensen 1992,
Glud et al. 2003) and the northern Baltic Sea (April:
Storfjärden, Finnish coast, Gulf of Finland, Hietanen
& Kuparinen 2008; August: Himmerfjärden, Swedish
coast, northern Baltic Proper, Bonaglia et al. 2014).
These systems likely contain more organic matter
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Fig. 7. Source attribution of particulate organic matter based on nitrogen:carbon (N:C) ratios plotted against natural abun-
dances of C isotope (δ13C-POC) for (a) April and (b) August. The illustrated compositional ranges of ‘T Plants’ (terrestrial C3
vascular plant vegetation), ‘M Phyto’ (marine phytoplankton) and ‘R&E Phyto’ (riverine and estuarine phytoplankton) are
adapted from Goñi et al. (2003) and references therein. Asterisk: river water; squares: surface water; circles: mid-water; 

triangles: bottom water; diamonds: near-bottom water
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and labile OC than the oligotrophic Öre Estuary,
which has a catchment area of mainly coniferous
forests and mires (Wikner & Andersson 2012) and an
annual primary production based on a single nutrient
pulse during the spring flood. Moreover, the Öre
Estuary does not suffer from the eutrophication-
related hypoxia documented at the Storfjärden and
Himmerfjärden sites (Hietanen & Kuparinen 2008,
Jäntti et al. 2011, Bonaglia et al. 2014). Consequently,
the deep OPD in the Öre sediments is the result of high
O2 supply at organic matter limited O2 consumption.

The thickness of OPD affects the source of NOx
− for

denitrification (Dn, Dw) with a thick oxic sediment
layer favouring Dn over Dw (Rysgaard et al. 1994).
During our incubations, OPD decreased on average
in all sediment cores despite continuous stirring of
the overlying water, indicating that the O2 consump-
tion rate in the sediment was faster than the O2 sup-
ply rate. A consequential decrease in the Dn:Dw ratio
was probably negligible in our incubations, as the
share of Dw was very low (5−13%) in all samples.
A 20% decrease in water column O2 concentration
during closed incubations is commonly accepted as
‘unchanged conditions’ (Dalsgaard et al. 2000). The
O2 concentration in the overlying waters of all our
incubations decreased <20%, demonstrating that
stable conditions above the sediment surface do not
necessarily imply unchanged conditions within the
sediment.

Denitrification in an oligotrophic estuary

Denitrification rates were measured in early spring
and late summer to investigate rate differences with
regard to the changing material load to the system
(high and low river outflow). However, denitrification
measurements in spring did not meet the method as-
sumptions. All but one incubation had sufficient NO3

−

tracer at the denitrification layer to theoretically yield
measurable N2 production; thus, denitrification activ-
ity must have been limited by another factor. The time
of sampling at the beginning of the annual main input
of organic matter and nutrients suggests that the estu-
arine sediment system was still limited by labile OC,
which serves as an energy source in hetero trophic
 denitrification (Hietanen & Kuparinen 2008).

In the Öre Estuary, the riverine dissolved matter
was not considered a significant source of labile OC
for benthic processes, as it was likely confined to the
surface waters based on its sources (riverine input,
phytoplankton release) and separated from the sedi-
ments by water column stratification. The particulate

matter in the estuarine bottom waters was estimated
to be mainly derived from riverine and estuarine
phytoplankton (~95%, Table 2), which represents a
source of labile OC. However, fresh organic matter
as such is not accessible for denitrifying bacteria, and
a degradation to suitable carbon compounds (Hieta-
nen & Kuparinen 2008) had not yet happened as indi-
cated by the low C:N ratio (7.8, Table 2). Availability
of labile OC was also found to limit denitrification
activity in OC-poor sediment layers affected by NO3

−

rich groundwater discharge in an Atlantic estuary
(Great South Bay, Slater & Capone 1987). There, de -
nitrification rates increased strongly after addition of
labile OC (glucose). In conclusion, we suggest that
denitrification during sampling in April was limited
by the low availability of labile OC in sediments.

The same was concluded for another coastal site in
the northern Baltic Sea with limited denitrification
activity in spring (Hanko archipelago, Gulf of Fin-
land, Jäntti et al. 2011). In contrast, Bonaglia et al.
(2014) measured low but significant denitrification
rates in May in the northern Baltic Himmerfjärden.
Labile OC may not have limited denitrification in this
eutrophic estuary, as autochthonous production in
Himmerfjärden is supported by the continuous dis-
charge of inorganic nutrients from the local sewage
treatment plant.

Denitrification rates from aphotic depths of both
the coastal and open Baltic Sea are generally much
lower in spring than in late summer or early autumn
(Tuominen et al. 1998, Hietanen & Kuparinen 2008,
Jäntti et al. 2011, Bonaglia et al. 2014). This is in con-
trast to shallow areas, where sediment denitrification
rates are highest in spring at times of high NOx

− con-
centrations (Jørgensen & Sørensen 1985, Seitzinger
1987, Nielsen et al. 1995, Jensen et al. 1996). Shallow
areas exhibit a tight benthic−pelagic coupling (Mid-
delburg & Soetaert 2004), and surface waters rich in
NOx

− and organic matter, such as from a riverine
spring flood, are in close contact with the sediment,
where denitrification consequently follows the spring
supply of substrate. In contrast, sediments in strati-
fied waters are separated from surface waters, and
the supply of organic matter to the sediment via sed-
imentation through the water column is delayed.
Denitrification in such sediments can be temporally
uncoupled from riverine peak discharges or bloom
events.

Denitrification rates measured in August were in
the same range in muddy and sandy sediments. This
was probably due to similar bottom water tempera-
ture, mass transport mechanism and oxic sediment
volume. In contrast, the organic content differed sig-
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nificantly between the sediment types. Similar to the
sediment O2 dynamics, the same denitrification rates
at different organic contents imply that not all of the
organic matter in the sediment could be utilized by
the denitrifying bacteria and that not only organic
matter quantity but also quality needs to be consid-
ered (Hietanen & Kuparinen 2008, Eyre et al. 2013,
Bonaglia et al. 2017). This was also indicated by the
lack of correlation of LOI with total denitrification,
Dn or Dw.

We did not find any indication of anammox, which
agrees with studies showing that its contribution to
total N2 production is often less important in shallow
estuarine than in deep open sea sediments (Dals-
gaard et al. 2005). In estuaries, heterotrophic denitri-
fication is often favoured over autotrophic anammox
due to the usually high availability of labile organic
matter (Risgaard-Petersen et al. 2004, Engström et al.
2005). Thus, in theory, the sediments of the oligotro-
phic Öre Estuary could have supported anammox, as
seen in oligotrophic sediments of the coastal Bothn-
ian Bay (Bonaglia et al. 2017). However, the occur-
rence of anammox often does not seem to follow a
concise pattern. For instance, significant N2 produc-
tion from anammox was present in the accumulation
sediments of Storfjärden (Finnish coast, Gulf of Fin-
land) in August 2003 (Hietanen & Kuparinen 2008)
but not in August 2008 or 2009 (Jäntti et al. 2011).
This might also explain the contrasting results of
observing (Bonaglia et al. 2017) and not observing
anammox (this study) in 2 oligotrophic coastal sedi-
ments of the northern Baltic Sea.

Few denitrification measurements have been done
in aphotic estuarine sediments of the Baltic Sea, and
measurements from the northern parts (northern
Baltic Proper to Bothnian Bay) are even scarcer
(Table 3). Our measured summer denitrification rates
are quite low compared with these (Table 3). Even
lower rates from the central Öre Estuary were esti-
mated by Stockenberg & Johnstone (1997) using the
acetylene blockage technique. However, as this
method potentially underestimates denitrification
(Seitzinger et al. 1993), the rates are not directly com-
parable. Similar low summer rates have been meas-
ured at a coastal transportation site with sandy mud
sediments in the western Gulf of Finland (Jäntti et al.
2011) and in sediments of the open Baltic Sea
(Tuominen et al. 1998, Deutsch et al. 2010, Bonaglia
et al. 2017) (Table 3). Likely reasons for low denitrifi-
cation rates in these locations were a low availability
of labile OC (Tuominen et al. 1998, Deutsch et al.
2010, Jäntti et al. 2011, Bonaglia et al. 2017) and lim-
ited Dn due to low availability of NH4

+ for nitrifica-

tion (Jäntti et al. 2011). Both reasons probably also
apply to the oligotrophic Öre Estuary. The supply
and availability of labile and N-rich organic matter
decreases from south to north in the Baltic Sea
together with the change in vegetation from farm-
land to forest and the decrease of anthropogenic
influence in the catchment area (Stepanauskas et al.
2002); low availability of N-rich organic matter in the
bottom waters of the Öre Estuary was evident in an
elevated particulate C:N ratio of 9.6.

Few denitrification measurements have been made
in oligotrophic estuaries and coastal sediments out-
side the Baltic Sea (Seitzinger 1987, Rysgaard et al.
2004, Eyre et al. 2011, Gongol & Savage 2016), most
of which are not fully comparable with those in our
study due to their shallow water depths (~2−8 m),
enabling light penetration to the sediment surface
and hence potential benthic primary production that
can affect denitrification and anammox rates (Ris-
gaard-Petersen et al. 2005). Only the sediments on
the east coast of Greenland (Rysgaard et al. 2004)
were aphotic and thus comparable with this study.
The arctic denitrification rates (~50−110 μmol N m−2

d−1 in August) were slightly lower than the rates in
the Öre Estuary, likely due to the much lower tem-
peratures (−1.7 to −1.3°C).

N2O production as an intermediate product from
denitrification was negligible in the Öre Estuary as
also seen in other oligotrophic sediments (Seitzinger
1987, Gongol & Savage 2016). This was to be ex -
pected, as significant N2O release during denitrifica-
tion has mainly been observed under high organic
mat ter loading (Seitzinger & Nixon 1985, Middelburg
et al. 1995), which does not apply to oligotrophic
 systems.

Does the oligotrophic Öre Estuary function as
a nitrogen sink?

The general statement that estuaries are highly
efficient in removing riverine N load via denitrifica-
tion (Seitzinger 1988) has been challenged over the
years by reports from some estuaries (e.g. Nielsen et
al. 1995, Hietanen & Kuparinen 2008, Deek et al.
2013), and in particular, some northern Baltic oligo-
trophic estuaries do not necessarily act as sinks for
riverine nutrients (Humborg et al. 2003). The amount
of N that is permanently removed from the river load
is also a function of the local water residence time
(Nielsen et al. 1995, Nixon et al. 1996, Holmes et al.
2000, Humborg et al. 2003, Silvennoinen et al. 2007,
Finlay et al. 2013). A long residence time increases
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the mixing of fresh river water with brackish estuar-
ine water, subsequently increasing the contact be -
tween river water and sediments, and enabling bio-
geochemical transformations (Nedwell et al. 1999).
Furthermore, a long residence time increases the
time available for NOx

− uptake by estuarine phyto-
plankton (Holmes et al. 2000). During the 2015 spring
flood, the water residence time in the Öre Estuary
was ~3 wk (C. Humborg & A. Sokolov unpubl. data),
and the river discharge formed a shallow freshwater
plume that did not mix with estuarine bottom waters
(Fig. 3). Consequently, the NOx

− load of the spring
flood had no direct contact with the sediments. Dur-
ing low river discharge in August, the freshwater
plume was thicker, but still did not mix with estuar-
ine bottom waters due to additional thermal stratifica-
tion (Fig. 3). Thus in both seasons, the major estuar-
ine N source (riverine NOx

− load) was uncoupled
from its sink (benthic denitrification). The only link
between NOx

− source and sink is phytoplankton
PON that is formed during uptake of NOx

− from the
surface plume, sinks out of the plume onto the sedi-
ment surface and finally releases N in benthic degra-
dation processes. This way, riverine NOx

− is temporar-
ily trapped in PON, mineralized to NH4

+, nitrified to
NO3

− and eventually denitrified to N2 (coupled nitri-
fication− denitrification). PON as a carrier of N from
surface waters to the sediment has also been pro-
posed in other studies (Jørgensen & Sørensen 1985,
Kemp et al. 1990, Holmes et al. 2000, Radtke et al.
2012, Finlay et al. 2013, Korth et al. 2013), with the
ultimate fate of PON not only being denitrification
(Holmes et al. 2000, Radtke et al. 2012, Finlay et al.
2013, Korth et al. 2013), but also burial (Finlay et al.
2013) and export to the open sea (Jørgensen &
Sørensen 1985).

During the 2015 spring flood, ~70% of POM in the
surface waters of the Öre Estuary was derived from
riverine and estuarine phytoplankton (Table 2), which
agrees with an establishing phytoplankton bloom
during the time of sampling (L. Haragutchi pers.
comm.). We assume that a fair amount of this autoch-
thonous POM stayed in the estuary, as particle reten-
tion time is short in the plume but long in the estuary
(Brydsten & Jansson 1989), and the near bottom wa-
ters contained high concentrations of N-poor and
likely resuspended POM in August (Fig. 6). With Dn
being the main denitrification pathway in the Öre Es-
tuary and N burial likely negligible due to low organic
matter loading, the riverine NOx

− load will be gradu-
ally removed as N2 well after the time of spring load.

We calculated the N removal by denitrification in
the Öre Estuary in relation to the riverine NOx

− load

for August 2015 with Öre River discharge (http://vat-
tenwebb.smhi.se/station/) and NOx

− concentration
data (http://miljodata.slu.se/mvm/), corrected for the
upriver location of the measuring station (factor
1.05946; L. Sonesten pers. comm.). We assumed that
denitrification rates were constant over the month
and the entire soft sediment area, as denitrification
rates did not show any trend with the river plume
transect. We estimated a soft sediment area of
20.6 km2; the remaining area consisted of bedrock,
moraine and coarse sediments (marine surface sub-
strate data 1:100 000 © Geological Survey of Sweden,
ESRI ArcGIS, ArcMap 10.3.1). In August, denitrifica-
tion removed 1.21 t N from the estuary, which was
~2.3% of the annual NOx

− load (54 t). Coupled nitrifi-
cation−denitrification (Dn) removed 1.12 t N, result-
ing in more N being removed than arrived in the
estuary as riverine NOx

− during the same month
(0.37 t). Consequently, Dn must have removed
mainly N from remineralized, accumulated PON, and
the estuary can be seen as a sink of riverine NOx

−,
temporarily incorporated in phytoplankton biomass.

Despite constantly increasing N loads, the amount
of riverine NOx

− removal via denitrification in the
 oligotrophic Öre Estuary is not likely to increase
accordingly, as primary production is not likely to
increase due to the P-limitation of the estuary and the
constancy in phosphate loading (Wikner & Anders-
son 2012, http://miljodata.slu.se/mvm/). If the estu-
ary stays oligotrophic, denitrification rates via Dn will
stay constant and Dw is also not likely to increase
due to the separation of riverine NOx

− in surface
waters from the sediments by water column stratifi-
cation. This could mean that in the future, more NOx

−

could be exported to the open sea, which would
eventually decrease the NOx

− ‘filter function’ of the
estuary relative to the NOx

− load.

CONCLUSION

We suggest that the cohesive muddy and sandy
sediments of the oligotrophic Öre Estuary function as
a sink for riverine NOx

− via temporary incorporation
of N in phytoplankton biomass (PON), which is later
mineralized to NH4

+, nitrified to NO3
− and denitrified

to N2. This sequence includes a time delay, which re -
sults in a mismatch between the time of highest NOx

−

load and highest N2 removal, with PON serving as a
‘trap’ of NOx

−. This ‘filter function’ is not likely to in -
crease with increasing N loads, as the oligotrophic
estuary is P-limited, which prevents an increase in
primary production and a subsequent increase in
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sediment nitrification and denitrification (Dn). Hence,
under continuously increasing N loading, the trophic
state of the oligotrophic Öre Estuary is not very likely
to change, but at the same time more NOx

− might be
exported to the open sea.
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